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Preface

Environmental analysis is one of the most relevant scientific fields in chemistry that contributes

to the monitoring of environmental pollution.

Green methodologies should be developed and applied in order to investigate the impact of

pollution on the environment.

The scope of this Special Issue was to describe the state of the art in both analysis and sample

pretreatment with regard to the demands of green perspectives for the examination of the current

status of environmental pollution.

Analytical scientists were invited to present new strategies to fulfill all the requirements for

reductions in waste, energy consumption, the use of solvents, etc.

The Special Issue includes fourteen papers, namely, 11 research articles, 2 review articles and 1

perspective.

The Guest Editors would like to thank all authors for their excellent contributions.

Victoria Samanidou, Eleni Deliyanni, and Dimitra Voutsa

Editors
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Abstract: To solve the problem that turbidity in water has a significant effect on the spectra of
nitrate and reduces the accuracy of nitrate detection, a turbidity-compensation method for nitrate
measurement based on ultraviolet difference spectra is proposed. The effect of turbidity on the
absorption spectra of nitrate was studied by using the difference spectra of the mixed solution
and a nitrate solution. The results showed that the same turbidity had different effects on the
absorbance of different concentrations of nitrate. The change in absorbance due to turbidity decreased
with an increase in the nitrate concentration at wavelengths from 200 nm to 230 nm, although
this change was constant when the wavelength was greater than 230 nm. On the basis of this
characteristic, we combined the residual sum of squares (RSS) and interval partial least squares
(iPLS) to select wavelengths of 230–240 nm as the optimal modeling interval. Furthermore, the
turbidity-compensation model was established by the linear fitting of the difference spectra of various
levels of turbidity. The absorption spectra of the nitrate were extracted by subtracting the turbidity-
compensation curve from the original spectra of the water samples, and the nitrate concentration was
calculated by using a partial least squares (PLS)-based nitrate-prediction model. The experimental
results showed that the average relative error of the nitrate predictions was reduced by 50.33%
to 1.33% by the proposed turbidity-compensation method. This indicated that this method can
better correct the deviation in nitrate’s absorbance caused by turbidity and improve the accuracy of
nitrate predictions.

Keywords: nitrate; ultraviolet spectroscopy; turbidity compensation; difference spectrum; partial
least squares

1. Introduction

Nitrate is a key phytoplankton nutrient. The concentrations of nitrate in seawater
can affect marine primary productivity and regulate the structure of the phytoplankton
community [1]. The accurate monitoring and analysis of nitrate concentrations are essential
for understanding biogeochemical cycles and preventing ecological imbalances caused by
high nitrate concentrations [2].

Traditionally, the laboratory chemical method has been used to determine nitrate
levels [3]. Water samples are collected by a survey ship and transported to a laboratory
for analysis. However, this method cannot capture the continuous temporal and spatial
variation in nitrate. Through a combination of flow-injection analysis (FIA) [4] and/or
microfluidic technology [5], nitrate sensors based on wet-chemical methods can be used for
in situ nitrate detection. However, the problems related to preserving the chemical reagent
and waste discharge limit the wide application of these sensors [6].

Ultraviolet spectroscopy is a popular method used for determining concentrations
of nitrate with the significant advantages of simplicity, rapidity, high accuracy, and lack

1



Molecules 2023, 28, 250

of reagent. In addition, ultraviolet spectroscopy has also been increasingly used to mea-
sure other water-quality parameters [7–9]. Johnson and Coletti [10] developed an in situ
ultraviolet spectrophotometer (ISUS) for the direct high-resolution measurement of nitrate,
bromide, and bisulfide. Langergraber et al. [11] presented a submersible UV-vis spectrome-
ter to monitor nitrate, chemical oxygen demand (COD), and total suspended solids (TSS).
However, matrix effects can seriously interfere with the detection of nitrates in natural
water, and one of the most critical interfering factors is turbidity caused by suspended
particulate matter [12]. The scattering of light by suspended particles reduces the amount of
light reaching the detector, which changes the magnitude and peak position of the nitrate’s
absorption spectrum, thereby affecting the calculation of the nitrate concentration [13].
Therefore, eliminating the interference of turbidity is necessary.

Various turbidity-compensation methods have been proposed to reduce or eliminate
the interference of turbidity. There are two main strategies. One is to establish the rela-
tionship between before and after turbidity correction by the mapping function of the
model to recover the pure absorbance spectra of the water-quality parameter for analy-
sis. Examples include the multiplicative scatter correction (MSC) algorithm [9,11], the
orthogonal signal correction (OSC) algorithm [14], and deep-learning methods [15]. These
methods can suppress the interference of turbidity to a certain degree but cannot fun-
damentally eliminate its effect. The accuracy of the model depends on the size of the
training sample, and it is often necessary to retrain the model in the face of new water
bodies. Another turbidity-compensation method is to subtract the absorbance caused by
turbidity from the original spectrum based on a single wavelength [16,17] or multiple wave-
lengths [18–21]. Because the multi-wavelength method provides more information than
single-wavelength methods, it is more extensively used. On the basis of Mie’s scattering
theory, Chen et al. effectively predicted the extinction spectrum induced by particulate
matter and managed to compensate for turbidity [18]. However, it is difficult to accu-
rately estimate the negative refractive index of suspended particulate matter in natural
water. Chen et al. proposed a compensation-curve method to correct the absorption spec-
trum of nitrate. The compensation-curve model was established by a mixed solution of
2 mg/L nitrate and 5–50 NTU turbidity [19]. Li et al. reconstructed an influence matrix
of the turbidity-absorption spectra based on a compressed sensing algorithm and used
it to eliminate the interference of turbidity in COD detection [20]. Cai et al. calculated
a corrected-absorbance spectral curve by introducing a coefficient KN, which describes
the degree to which the absorption spectrum of a turbid mixed COD solution deviates
from the superposition law [21]. These kinds of turbidity-interference studies have been
conducted with constant nitrate concentrations, varying the turbidity to examine its impact
on the nitrate’s absorption spectrum. However, this ignores a problem: whether the same
level of turbidity has the same effect on varying nitrate concentrations. If the turbidity-
compensation model is established in this way, it inevitably affects the accuracy with which
other nitrate concentrations not included in the modeled sample set are detected.

In this study, the effect of turbidity on the absorption spectra of nitrate at different
wavelengths was studied. Moreover, a turbidity-compensation method based on difference
spectra combined with linear fitting is proposed. The turbidity was determined by the
spectral area, and the concentration of nitrate was finally determined using a multivariate-
calibration diffmodel. The results demonstrated that the proposed method can significantly
enhance the accuracy of nitrate predictions.

2. Results and Discussion

2.1. Analysis of the Interference of Turbidity

The absorption spectra of the nitrate and turbidity solutions were measured, and the
curves are shown in Figure 1a,b, respectively. The main spectral-absorption range of the
nitrate was 200–250 nm, and the absorbance of nitrate was almost zero after 250 nm. The
absorption spectra of the turbidity solutions covered the entire ultraviolet band, which

2
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could cause spectral cross-sensitivity and interfere with the absorption spectra of the
nitrate solutions.

Figure 1. (a) Absorption spectra of solutions with different nitrate concentrations. (b) Absorption
spectra of standard solutions with different levels of turbidity.

We prepared 15 groups of mixed solutions of nitrate and turbidity according to the
sample concentrations and collected their absorption spectra. The spectra of the nitrate
solutions were subtracted from the spectra of the mixed solutions to obtain their differ-
ence spectra.

The spectra of the mixed solutions and the difference spectra are shown in Figure 2.
The spectra of the mixed solutions in Figure 2a were subjected to strong interference by the
turbidity. As can be seen in Figure 2b,c, the amount of change in the absorbance caused
by turbidity at different wavelengths varied. When the concentration of the nitrate was
constant, the absorbance of the difference spectra increased with the increase in turbidity.
However, when the turbidity was constant, the effect of the turbidity at different wave-
lengths changed as the nitrate concentration changed. At wavelengths of less than about
230 nm, the absorbance of the solutions with the same level of turbidity and different nitrate
concentrations decreased with the increase in the nitrate concentration. At wavelengths
greater than about 230 nm, the difference spectra almost overlapped. This means that the
same turbidity had the same effect on the absorbance of the nitrate in this wavelength range.

Changes in absorbance are related to the effect of turbid particles in the solution on
the nitrate molecules. The difference spectra reflect this effect, which includes two parts:
one is the increase in absorbance caused by the absorption and scattering of suspended
particles in turbid solutions, and the other is that suspended particles break the coplanar
nature of nitrate molecules, causing steric hindrance and destroying the conjugate system,
leading to a decrease in the absorbance of nitrate [19]. The superposition of these two parts
is the change in the absorbance of nitrate caused by the inference of turbidity. Therefore,
the superposition of the absorbance of turbidity solutions and nitrate solutions is usually
greater than the absorbance of the mixed solution. Similar results were obtained in the
research by Chen et al. [19].

Furthermore, the effect of turbidity was greatest at the wavelength of the absorption
peak and decreased with the decrease in the absorbance. This issue was discussed by
Hu et al., who concluded that the effect of turbidity was greatest at the central wavelength
of the energy leap and became smaller with the decrease in the probability of energy
leaps [13]. Therefore, the selection of the correct wavelength is necessary to account for the
different effects of turbidity at different wavelengths.

3



Molecules 2023, 28, 250

Figure 2. (a) Spectra of mixed solutions. (b) Difference spectra between the mixed solutions and
standard nitrate solutions. (c) Difference spectra in three-dimensional coordinates.

We calculated the correlation coefficient between the difference spectra and the turbid-
ity. In the band in which the difference spectra overlapped, the correlation coefficient was
above 0.99. This demonstrates that the effect of turbidity on the absorbance of nitrate in
this spectral band is proportional to the turbidity.

Based on this characteristic, a turbidity-compensation model was established by linear
regression in a spectral interval. The effect of the turbidity on the nitrate was constant in
this interval. Therefore, the mixed solutions with random levels of turbidity and random
concentrations of nitrate were corrected accurately.

2.2. Interval Selection

The optimal interval is both the modeling interval of the turbidity-compensation model
and the nitrate prediction model. Therefore, a suitable spectral interval for the turbidity-
compensation model was chosen according to the characteristic effects of turbidity on the
absorption spectra of nitrate. The interval was further optimized, and the interval with the
highest accuracy in the nitrate-prediction model was taken as the final optimal interval.

It was shown in the previous section that the interval that is most suitable for estab-
lishing the turbidity-compensation model is the interval in which the difference spectra
overlap. To extract the overlapping bands in the difference spectra, the difference spectra
for a nitrate content of 0.2 mg/L were utilized as the reference spectra, and the evaluation

4
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method was the residual sum of squares (RSS) of the other difference spectra and the
reference spectra. When the RSS was less than a specific threshold, this indicated that the
difference in the spectra in this range was quite small, and the spectral curves essentially
overlapped. The method of calculation is as follows

RSS =
m

∑
i=1

n

∑
j=1

(
yij − yi0

)2
(1)

where yij is the jth difference spectrum at the ith level of turbidity, yi0 is the reference
spectrum at the ith level of turbidity, n is the number of difference spectra apart from the
reference spectrum, and m is the number of different turbidity levels.

Figure 3 shows the result of the RSS at different wavelengths. The RSS was less than
0.003 at wavelengths greater than 230 nm. Therefore, when this band was selected for
turbidity-compensation modeling, the change in the absorbance of the mixed solution was
only related to the turbidity and not to the nitrate concentration.

Figure 3. RSS at different wavelengths.

The wavelength range of 230–400 nm is still quite wide for establishing a nitrate-
prediction model. This may include uninformative wavelengths, which reduce the accuracy
of the prediction and increase the data-processing time.

The interval partial least squares (iPLS) method proposed by Norgaard et al. was used
to optimize the wavelength range. The spectrum was divided into different intervals. The
RMSECV for each interval was calculated, and the interval with the lowest RMSECV was
chosen as the optimal wavelength interval. We divided the 230–400 nm wavelength band
in the spectra data of the standard nitrate solutions into 17 intervals: 230–240, 240–250, . . . ,
390–400 nm. The wavelength range with the lowest RMSECV was chosen by iPLS. For the
range of 230–240 nm, the RMSECV value was the lowest, which was also lower than that of
the model with the full spectral range. The result is shown in Figure 4 (which plots the first
five intervals). Therefore, the modeling interval was finally determined to be 230–240 nm.

5
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Figure 4. Interval optimization by interval-partial-least-squares method.

2.3. Establishment of the Turbidity-Compensation Model

The turbidity-prediction model was established by linear regression combined with
the spectral area. According to the spectral characteristics of the nitrate and the turbidity,
in the wavelength range of 250–400 nm, the absorbance of the nitrate solutions was almost
zero and the absorption spectra of the mixed solutions were almost entirely attributable to
the turbidity. In addition, the correlation coefficients of the absorbance and the turbidity
at each wavelength in this band were greater than 0.9. The selection of this band can also
eliminate the problem of the susceptibility of single-wavelength regression modeling to
interference. The 15 spectral curves of the mixed solutions were divided into five groups,
and those with the same level of turbidity were grouped together. Five spectral curves were
obtained by averaging each group. We then integrated the five spectral curves between
250 and 400 nm and obtained their spectral areas. The integral values and turbidity values
were used to build a turbidity-prediction model. The results of the modeling are shown in
Figure 5. The linear-regression equation was y = 60.51x − 2.708, and the R2 was 0.9989.

Figure 5. Fitting relationship between the integral values and the turbidity values.

6
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The turbidity-compensation model was established by using the difference spectra
at 230–240 nm. The mean values of the difference spectra with the same level of turbidity
were calculated to obtain the reference compensation curve. The compensation curve of
any turbidity value can be calculated by linear fitting, as described in Section 3.4. The
regression parameters ai (i = 1, 2, . . . , λ) and bi (i = 1, 2, . . . , λ) for each wavelength were
calculated as shown in Table 1. After calculating the turbidity of the unknown mixed
solution using this turbidity-prediction model, we substituted the turbidity value into
Formula (5) in Section 3.4 to obtain the turbidity-compensation curve. The spectra of nitrate
can be extracted by subtracting the compensation curve from the mixed solution’s spectra.

Table 1. Regression parameters in the wavelength range of 230–240 nm.

Parameter The Values in the Wavelength Range of 230–240 nm (the Spectral Interval is 0.5 nm)

aλ
(0.0127; 0.0125; 0.0124; 0.0123; 0.0122; 0.0121; 0.0120; 0.0119; 0.0118; 0.0117; 0.0116; 0.0115; 0.0114; 0.0114; 0.0113;

0.0112; 0.0111; 0.0111; 0.0110; 0.0109; 0.0109)

bλ
(0.0333; 0.0327; 0.0322; 0.0317; 0.0311; 0.0305; 0.0303; 0.0298; 0.0293; 0.0289; 0.0285; 0.0280; 0.0277; 0.0275; 0.0276;

0.0275; 0.0272; 0.0268; 0.0267; 0.0265; 0.0263)

2.4. Establishment of the Nitrate-Prediction Model

The nitrate-prediction model was established by the PLS method. The nitrate samples
were used as a calibration set. We used leave-one-out cross-validation to verify the model
and RMSECV to evaluate the model’s accuracy. The model showed good accuracy. The R2

of the predicted values and the true values was 0.9996, and the RMSECV was 0.0462 mg/L.
The plot of the predicted concentrations versus the actual concentrations is shown in
Figure 6.

Figure 6. Relationship between the true values and the values of nitrate predicted by PLS.

2.5. Experiment with the Random Mixed-Solution Samples

To verify the turbidity-compensation method proposed, we prepared five mixed
solutions with random concentrations of nitrate and levels of turbidity.

The absorption spectra of the five groups of mixed solutions were collected. The
spectra of the mixed solutions were corrected by the turbidity-compensation model, after
which the nitrate concentrations were calculated by substitution in the nitrate-prediction
model. The results of the predictions before and after compensation are plotted in Figure 7,
and the relative errors, RMSEP, and R2 values before and after compensation are shown in
Table 2.

7
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Table 2. Prediction results of mixed samples before and after turbidity compensation.

Endpoint Relative Error (100%) RMSEP (mg L−1) R2

Uncompensated 50.33% 0.7845 0.7596
Compensated 1.33% 0.0359 0.9995

Figure 7. Comparison of the results of uncompensated and compensated predictions.

It can be seen that the results of the uncompensated prediction were quite different
from the true values. As the turbidity of the mixed solution increased, the error in the
prediction of the nitrate concentration became increasingly significant. After compensation,
the predicted values were generally consistent with the true values. The average relative
error decreased from 50.33% to 1.33%, and the RMSEP value was very small. The accuracy
with which the nitrate was predicted was significantly improved after compensation
for turbidity.

The use of an in situ nitrate sensor based on UV spectroscopy can help us to monitor
environmental changes on a finer spatial and temporal scale, and it has wide prospects
for application in freshwater systems and in the monitoring of sewage. The turbidity-
compensation method proposed in this study can be used to improve the calibration and
data-processing procedures of an in situ nitrate sensor to detect nitrate highly accurately
in turbid water. Significantly, in this study, the water samples were prepared by using
formazine turbidity particles, which generally conform to a normal distribution with a
mean volume diameter of 2.5 μm and may not completely characterize the turbidity of
some water bodies [22]. For example, in near-shore estuarine-water environments, in
which larger particles are present and uniformity is poorer than in formazine turbidity
solutions, the effect of compensation using this method may be affected. In addition, the
presence of CDOM in water also affects the detection of nitrate due to its strong absorption
in ultraviolet regions. Therefore, additional consideration should be given to eliminating
the interference of CDOM to further improve the accuracy with which the concentration of
nitrate in water is predicted.

3. Materials and Methods

3.1. Samples

The experiment was divided into two parts: research and verification of the method.
The characteristics of the effect of turbidity on the absorption spectra of nitrate were investi-
gated by single-solution samples of nitrate and turbidity and mixed-solution samples, and
a turbidity-compensation model was established on the basis of the difference spectra of the
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nitrate-solution samples and the mixed-solution samples. The model was further validated
with five sets of turbid mixed-solution samples of nitrate at arbitrary concentrations.

A number of samples with different nitrate solutions and levels of turbidity were
created to investigate their UV-absorption characteristics at different wavelengths by mea-
suring their absorption spectra, as follows. The data on the nitrate’s absorption spectra
were used as a modeling set for the model predicting the nitrate concentration. Accord-
ing to the standards for surface-water environmental quality in China (GB3838-2002), the
nitrate-concentration range in the solution samples was set to 0.1–5 mg/L to meet the
general requirements of detecting nitrate in surface water. The standard formazine solution
is widely used worldwide for the determination of turbidity in water because of its good
optical stability. Deionized water, a standard nitrate solution (analytical grade), and the
standard formazine solution used for measuring turbidity (analytical grade) were used
to prepare the water samples. The deionized water was supplied by a Milli-Q water-
purification system (Millipore, Billerica, MA, USA). Nitrate solutions of 0.1, 0.2, 0.5, 1.0,
1.5, 2.0, 2.5, 3.0, 4.0, 5.0 mg/L were obtained by diluting standard nitrate solutions, and
turbidity solutions of 1, 5, 10, 15, 20, 30, 40, 50 NTU were obtained by diluting standard
solutions of formazine. The nitrate concentration was calculated as the concentration of
nitrogen in the solution.

To investigate the effect of turbidity on nitrate’s absorbance spectra and to develop
a compensation model, 15 mixed-solution samples with different levels of nitrate and
turbidity were prepared. In addition, to validate the compensation method, five different
mixtures were produced with random concentrations of nitrate and levels of turbidity. The
concentrations used in the samples are shown in Table 3.

Table 3. Composition of the mixed-solution samples with varying levels of nitrate and turbidity.

NO. Nitrate (mg·L−1) Turbidity (NTU) NO. Nitrate (mg·L−1) Turbidity (NTU)

1 0.2 10 11 4 10
2 0.2 20 12 4 20
3 0.2 30 13 4 30
4 0.2 40 14 4 40
5 0.2 50 15 4 50

/ Test Samples

6 2 10 1 0.5 13
7 2 20 2 1 22
8 2 30 3 2 8
9 2 40 4 3 41

10 2 50 5 5 16

3.2. Measurements

A UV-vis spectrophotometer (UV-8000s, LASPEC, Shanghai, China) was used to
measure the absorption spectra of different solutions from 200 to 400 nm. All the samples
were measured in a 1-cm quartz cuvette. Deionized water was used as the reference. The
scanning speed was set to medium and the spectral resolution was set to 0.5 nm.

3.3. Spectral-Subtraction Method

The effect of turbidity on the nitrate’s absorption spectra was investigated using a
difference spectra obtained by the spectral-subtraction method. An example of a difference
spectrum is shown in Figure 8. We acquired the spectrum of mixed nitrate and turbidity
solutions, as well as their individual spectra. By subtracting the nitrate spectrum from
the spectrum of the mixed solution, the difference spectrum was obtained. The difference
spectrum reflects the effect of turbidity on the absorption of nitrate. As can be seen in
Figure 1, the appearance of turbidity caused an increase in the total absorbance, but this
increase was not equal to the absorbance contributed by the turbidity. This phenomenon is
related to molecular interactions in the solution. These are explained in more detail in the
Section 2.

9
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Figure 8. Spectra of the mixed solution, the nitrate solution, the turbidity solution, and their differ-
ence spectrum.

3.4. Turbidity-Compensation Method

According to the correlation coefficient between the difference spectra and the tur-
bidity, it can be seen that an increase in the absorbance in a specific wavelength range is
linearly correlated with the increase in turbidity. The correlation coefficient is calculated
in Section 2.1. The change in the absorbance of nitrate as a result of a change in turbidity
can be calculated by linear fitting of difference spectra of various levels of turbidity. The
spectra of nitrate can then be extracted by subtracting the effect of turbidity from the mixed
spectra. The specific steps of the turbidity-compensation method are described below.

Step 1: The absorption spectra of mixed solutions (Amixture) and nitrate solutions
(Anitrate) are measured. The turbidity-prediction model is built through linear regres-
sion of the spectral integral at a selected wavelength range and the turbidity value of
mixed solutions.

Step 2: The difference spectra of mixed solutions and nitrate solutions are obtained by
spectral-subtraction method, which are known as the reference compensation curves (Aref).
The turbidity values of the difference spectra are known as the reference turbidity values
(Turref). These are calculated as shown in Equations (2) and (3), where n is the number of
difference spectra and λ is the wavelength.

Aref = Amixture − Anitrate =

⎡
⎢⎣

A1
1 · · · A1

λ
...

. . .
...

An
1 · · · An

λ

⎤
⎥⎦ (2)

Turref =

⎡
⎢⎣

T1

...
Tn

⎤
⎥⎦ (3)

Step 3: The regression parameters ai (i = 1, 2, . . . , λ) and bi (i = 1, 2, . . . , λ) are
determined by linear regression for each wavelength using Aref and Turref, as shown in
Equation (4).

Aref
′ =

⎡
⎢⎣

a1
...

aλ

⎤
⎥⎦ · Turref

′ +

⎡
⎢⎣

b1
...

bλ

⎤
⎥⎦ (4)
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Step 4: The absorbance effect of any level of turbidity (Atur) can be calculated as shown
in Equation (5), where Turany is the turbidity value of an unknown mixed solution. The
turbidity value is calculated by the turbidity-prediction model.

Atur =

⎡
⎢⎣

a1
...

aλ

⎤
⎥⎦ · Turany +

⎡
⎢⎣

b1
...

bλ

⎤
⎥⎦ (5)

Step 5: The spectrum of any mixed nitrate and turbidity solution after compensa-
tion (Aresidual) is achieved by subtracting Atur from the raw spectrum Aany, as shown in
Equation (6).

Aresidual = Aany − Atur (6)

3.5. Nitrate-Prediction Model

The nitrate-prediction model was constructed by using partial least squares (PLS), a
multivariate calibration method. The principle of PLS is to extract the principal components
of independent variables and then establish the regression of the dependent variables on
these until accurate predictions can be achieved [23]. To improve the model’s accuracy, the
modeling-wavelength range was optimized through interval partial least squares (iPLS),
which can help us focus on important spectral regions and eliminate interference from
other regions [24]. In this method, the measured spectra were evenly divided into different
subintervals. All samples were used for PLS modeling in each subinterval, after which the
interval with minimum root mean square error of cross-validation (RMSECV) was selected
as the optimal wavelength interval.

3.6. Process of Calculating the Nitrate Concentration

The process of calculating the nitrate concentration is shown in Figure 9. The turbidity-
prediction model, turbidity-compensation model, and nitrate-prediction model were built
in advance using the abovementioned methods. Firstly, the absorption spectrum of a
mixed solution with an unknown concentration was measured. Secondly, the turbidity
of the mixed solution was calculated by using the turbidity-prediction model. Thirdly,
the turbidity-compensation model was applied to calculate the turbidity-compensation
curve for any value of turbidity. The spectrum after turbidity compensation was obtained
by subtracting the turbidity-compensation curve from the raw spectrum. Finally, the
absorption spectrum after turbidity compensation was inputted into the nitrate prediction
model, and the nitrate concentration was obtained.

Figure 9. The process for calculating the nitrate concentration.
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3.7. Model Validation

The whole model was evaluated according to the root mean square error of prediction
(RMSEP), the correlation coefficient (R2), and the relative error (RE). These are defined as
follows (Equations (7)–(9))

RMSEP =

√
∑m

i=1(ĉi − ci)
2

m
(7)

R2 = 1 − ∑m
i=1(ĉi − ci)

2

∑m
i=1(ci − c)2 (8)

RE =
ĉi − ci

ci
× 100% (9)

where ĉi is the predicted value in the ith sample, ci is the true value in the ith sample, c is
the mean of the predicted value of all samples, and m is the number of prediction samples.

Leave-one-out cross-validation was used to validate the performance of the PLS
models in predicting new data [25]. A total of N-1 elements out of n elements in the
whole set were used as the training sets to build models for this analysis, and the re-
maining element acted as a test set to validate the model. After several rounds of cross-
validation, the average validation results were obtained and used to estimate the overall
prediction performance of the model. The root mean square error of cross-validation
(RMSECV) was the mean value of the RMSEP obtained from the results of several rounds
of cross-validation.

4. Conclusions

A method of turbidity compensation based on difference spectra was proposed for
measuring nitrate. In this study, the two main aims were to (i) study the effect of turbidity on
the absorption spectra of nitrate and (ii) to establish a process of compensating for turbidity,
including the establishment of a turbidity-prediction model, a turbidity-compensation
model, and a nitrate-prediction model. The effectiveness of the compensation method
was further verified by experiments. The results showed that the turbidity-compensation
method performed well, making the relative error of the predicted nitrate concentration
decrease from 50.33% to 1.33%. The following conclusions can be drawn.

(i) The influence of turbidity on nitrate varies with wavelength. The change in ab-
sorbance caused by turbidity decreased with the increase in the nitrate concentration
at wavelengths of 200–230 nm, and the same level of turbidity had the same effect on
the absorbance of nitrate after 230 nm.

(ii) The nitrate-prediction model established in the optimal modeling interval selected
by the data analysis of the difference spectra combined with the iPLS algorithm had
good predictive accuracy. Meanwhile, arbitrary concentrations of nitrate and levels of
turbidity in the water were suitable for the model because of the chosen wavelength.

(iii) The turbidity-compensation method based on the ultraviolet difference spectra can
eliminate the interference of turbidity and improve the accuracy with which nitrate is
detected in turbid water.

(iv) Although the proposed turbidity-compensation method was effective, there were
still limitations in this study, such as the fact that CDOM was not considered when
the method was applied to natural water. Further investigations will focus on fully
understanding the effects of CDOM and studying the related compensation algo-
rithms, which may improve the accuracy with which nitrate is predicted. Finally,
experimental validation will be performed on natural-water samples.
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Abstract: Polycyclic aromatic hydrocarbons (PAHs) are a class of persistent organic pollutants of
water, and their determination at trace levels in the aquatic ecosystems is essential. In this work, an
ultrasound-assisted dispersive liquid–liquid microextraction (DLLME) procedure was suggested
utilizing a binary dispersive agent for recovery of different molecular weight polycyclic aromatic
hydrocarbons (PAHs) from waters. The detection was carried out by gas chromatography–mass
spectrometry (GC-MS) as well as high-performance liquid chromatography with fluorescence and
diode-array detection (HPLC-FD/PDA). The method was optimized for the extraction of analytes
with respect to the mixture composition, ratios of components, ultrasonication time and centrifugation
parameters. The analytical schemes for PAHs extraction from water samples using different ratios of
extraction and dispersive solvents are reported. The mixture consisting of chloroform and methanol
was applied for the extraction of PAHs containing two or three fused aromatic rings; the mixture
of chloroform and acetonitrile is suitable for PAHs containing more than four aromatic rings. The
mixture of chloroform:acetone + acetonitrile was applied in the universal scheme and allowed for the
simultaneous extraction of 20 PAHs with different structures. The developed sample preparation
schemes were combined with GC-MS and HPLC-FD/PDA, which allowed us to determine the
analytes at low concentrations (from 0.0002 μg/L) with the recoveries exceeding 80% and relative
standard deviations of about 8%. The developed methods for the determination of 20 PAHs were
applied to the analysis of water samples from the Karasun Lake (Krasnodar), Azov Sea (Temryuk)
and Black Sea (Sochi).

Keywords: dispersive liquid–liquid microextraction; polycyclic aromatic hydrocarbons; priority
pollutants; water samples

1. Introduction

Polycyclic aromatic hydrocarbons (PAHs) are related to eco-toxicants due to their mu-
tagenic and carcinogenic nature [1]. Therefore, the United States Environmental Protection
Agency (US-EPA) has recommended the routine monitoring of 16 PAHs in environmental
samples. Dibenz[a,h]anthracene, benz[e]pyrene, benz[a]anthracene, benz[b]fluoranthene,
benz[k]fluoranthene and inden[1,2,3-c,d]pyrene are the most toxic PAHs. However, less
dangerous PAHs can have a synergetic effect when present in a complex mixture. Toxic
equivalency factors (TEF) in combination with the maximum permissible concentration
(MPC) of individual PAHs in water express the toxicity of complex mixtures in the USA
and European Union (EU). TEF for different priority PAHs is expressed as benz[a]pyrene
equivalents, and the most toxic substances have the TEF value of 1 [2].
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Besides PAHs’ differentiation based on toxicity, it is essential to consider their distri-
bution in the water bodies [3,4]. PAHs can be conditionally categorized into three groups
based on their water solubility (S) and vapor pressure (P) [5]. The first group corresponds
to PAHs containing two to three fused aromatic rings with P of 10−2–10−3 Pa and water
solubility from 2 to 35 mg/L. The second group includes PAHs containing three or four
aromatic rings with P of 10−2–10−3 Pa and solubility between 0.1 and 2 mg/L. The third
group consists of PAHs with more than four aromatic rings, vapor pressure less than
10−5 Pa and solubility below 0.01 mg/L (Table 1). Thus, it can be assumed that lighter
PAHs, such as naphthalene, acenaphthene, fluorene, etc., will be present in the water bodies
in dissolved form [6]. On the other hand, the high molecular weight toxic PAHs containing
more than four aromatic rings can aggregate on the surface of different particles and pre-
cipitate into the sediments [7]. Consequently, it is necessary to consider the transformation
and distribution of PAHs in waters [8,9]. With the increase in the molecular weight, the oc-
tanol/water partition coefficient (Kow) changes from 3.2 (light PAHs) to 7.1 (heavy PAHs),
which shows the tendency of PAHs to accumulate in the lipophilic phase. Naphthalene
usually evaporates from the surface of water bodies during 50–200 h depending on natural
factors. The evaporation of biphenyl from the surface can take from 7.5 days for surface
water to 14 days for groundwater, while the evaporation of acenaphthylene varies with
seasonal and climatic factors and can range from 42 to 120 days. In addition, since the
degradation of PAHs in water depends on several factors, such as light intensity, time,
climatic conditions and microorganisms, the correlation between degradation speed and
the number of aromatic rings of PAHs has not been established. It should be considered
that this parameter can vary for almost all the components in a wide range from several
hours to months and in some cases can even reach years. Thus, fast and precise methods
are required for the determination and ecological monitoring of different molecular weight
PAHs in water samples within a wide linear range including trace levels and allowing one
to account for the degradation of these substances.

Table 1. Some physicochemical properties of polycyclic aromatic hydrocarbons.

PAHs Mr S, mg/L P, Pa Kow
Half-Life

in the Environment, h

Li
gh

t 2
to

3
ri

ng
s Naphthalene 128 31–34 37–42 3.2–3.8 16–6193

2-Methylnaphthalene 142 20.0–27.3 6.3–10.7 3.9–4.1 54–9840
Biphenyl 154 7.0–7.8 1.3–6.9 3.2–4.3 36–336

Acenaphthylene 152 3.4–16.1 0.89–1.1 3.7–4.1 1020–1440
Acenaphthene 154 3.9–3.8 0.21–3.1 3.9–4.5 3–4896

3
to

4
ri

ng
s Fluorene 166 1.6–1.8 0.08–0.79 3.7–4.3 768–2880

Phenanthrene 178 1.0–1.2 0.02–0.11 4.5–4.6 3–9600
Anthracene 178 0.04–0.08 5.7 × 10−4–0.1 4.2–5.3 1–22,080

Pyrene 202 0.1–0.2 1.7 × 10−4–0.2 4.8–5.5 1–91,200
Fluoranthene 202 0.21 1.3 × 10−4–0.1 4.5–5.2 21–21,120

H
ea

vy

m
or

e
th

an
4

ri
ng

s

Benz[a]anthracene 228 0.0090–0.0094 3.9 × 10−7–2.5 × 10−4 5.0–5.9 0.5–32,640
Chrysene 228 0.0015–0.0170 8.4 × 10−7–2.3 × 10−4 5.5–5.9 0.5–48,000

Triphenylene 228 0.040 3.9 × 10−7–1.2 × 10−2 4.8–6.3 –
Benz[b]fluoranthene 252 0.0011–0.0015 5.0 × 10−8–6.7 × 10−5 5.8 9–29,280
Benz[k]fluoranthene 252 0.0008–0.0011 1.3 × 10−8–6.7 × 10−5 5.9–7.2 4–102,720

Benz[a]pyrene 252 0.0016 7.5 × 10−7–1.1 × 10−4 6.0–8.0 0.4–25,440
Benz[e]pyrene 252 0.0001–0.0073 7.4 × 10−7–1.8 × 10−5 5.7–7.4 –

Inden[1,2,3,-c,d]pyrene 278 0.0002–0.0004 1.3 × 10−8–1.3 × 10−7 6.7–8.2 –
Dibenz[a,h]anthracene 276 0.0006–0.0025 3.7 × 10−10–2.5 × 10−7 5.8–7.1 6–45,120

Benz[g,h,i]perylene 276 0.0001–0.0008 1.3 × 10−8–6.7 × 10−7 6.2–7.1 14,160–31,200

Mr—Molecular weight. S—Water solubility at 25 ◦C. P—Vapor pressure. Kow—Octanol/water
partition coefficient.

As a rule, chromatographic methods, such as gas chromatography–mass spectrome-
try (GC-MS) and high-performance liquid chromatography (HPLC) with a fluorescence
detector (FD), or their combination in complicated cases, are used to quantify PAHs in
water [10–12]. However, the sensitivity of GC-MS and HPLC-FD can be insufficient for the
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determination of trace PAH levels in complex matrices without proper sample pretreatment.
To solve this problem, it is necessary to apply an effective sample preparation technique
providing high recoveries and concentration factors of the analytes [11,13,14].

There exist numerous solid-phase extraction methods for the recovery and concen-
tration of organic pollutants from environmental samples [15,16]. However, liquid–liquid
extraction (LLE) methods are more widely used for these purposes due to their availability
and simplicity. Combining these methods with ultrasound treatment accelerates mass
transfer and consequently increases effectiveness of the processes [17]. A procedure consist-
ing of ultrasound-assisted LLE with n-hexane and GC-MS detection has been suggested by
us for the extraction and quantification of PAHs from different types of water samples [18].
The procedure provided high recoveries (90%) of PAHs; however, this method is time- and
labor-consuming and has high organic solvent consumption.

Dispersive liquid–liquid microextraction (DLLME) seems to be a perspective tech-
nique [19–21] free from the above-mentioned disadvantages. In this technique, the chlori-
nated solvents are used as extractants, while acetone, acetonitrile, methanol, etc., are used
as dispersive agents. Cloudy solution formation provides a high surface area between the
extraction mixture and sample, which results in quick and effective extraction of PAHs
from water samples [22–24]. The separation of extractant is usually performed by cen-
trifugation [22]. In addition, shaking and ultrasound-assisted extraction techniques were
suggested to improve the extraction efficiency [24,25].

In recent years, environmentally friendly solvents have also become attractive for the
development of “green” chemistry. In this way, surfactants, low-toxic brominated and
other derivates of hydrocarbons [26], deep eutectic solvents (DES) [27,28], ionic liquids
(ILs) [29], etc., have been utilized in the developed methods to decrease toxicity of systems.
On the other hand, the large-scale use of ionic liquids results in significant material costs
and difficulties in understanding their mechanism of action due to the lack of studies.
High viscosity of ILs can lead to a decrease in the mass transfer efficiency [30], while the
hygroscopicity and absorption of moisture from atmospheric air limit the application of
ILs and DES for the extraction of analytes from water samples and make these solvents
poorly compatible with chromatographic systems [31]. It should also be noticed that
ionic liquids are non-biodegradable [32], which complicates their application for “green”
chemistry purposes. The use of deep eutectic solvents in DLLME is complicated by their
hydrophilicity. In this case, sample pretreatment is more cumbersome, since it is necessary
to apply a multi-step extraction procedure of analytes or properly choose hydrophobic
components [28,33]. It can be assumed that a wide application of ionic liquids and deep
eutectic solvents in DLLME with chromatographic detection is quite problematic due
to insufficient study of their properties. To avoid these shortcomings, it is necessary to
conduct a supplementary investigation and develop a conventional DLLME procedure
for efficient extraction of PAHs from water samples. The combination of chlorinated
solvents and conventional dispersive agents, such as acetone and acetonitrile, provides
high extraction efficiency of individual PAHs, e.g., 96% for naphthalene group PAHs, 98%
for PAHs with three and four aromatic rings and 95% for PAHs containing more than four
aromatic rings [34–38]. However, the behavior of co-existing PAHs with diverse molecular
weights in the extraction procedures with conventional solvents was not discussed in these
works. The difference in volatility and solubility of particular PAH groups can influence
their behavior in the extraction systems. It is essential to consider the problem of the
simultaneous microextraction of individual PAHs with significantly different solubilities
and vapor pressures from waters. Moreover, no data are available on the investigation of
PAHs behavior in the DLLME extraction mixtures and applying a binary solvent mixture
as a dispersive agent for these purposes.

In this work, the peculiarities of the dispersive liquid–liquid microextraction and
concentration of different molecular weight PAHs with individual conventional solvents
(acetone, methanol, acetonitrile) and their binary mixtures as dispersive agents followed by
GC-MS and HPLC-FD/PDA detection were investigated.
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2. Experiment

2.1. Reagent and Standards

In total, 17 polycyclic aromatic hydrocarbons (PAHs)—naphthalene (Naph),
2-methylnaphthalene (2-MN), biphenyl (Biph), acenaphthylene (Acy), acenaphthene (Ace),
fluorene (Flu), phenanthrene (Phe), anthracene (Anth), fluoranthene (Fluor), pyrene (Pyr),
benz[b]fluoranthene (B[b]F), benz[k]fluoranthene (B[k]F), benz[a]anthracene (B[a]A), chry-
sene (Chry), benz[a]pyrene (B[a]P), dibenz[a,h]anthracene (D[a,h]A) and benz[g,h,i]perylene
(B[g,h,i]P)—in acetonitrile with a concentration of 100 or 200 μg/mL of each PAH were pur-
chased from Ecros (St. Petersburg, Russia). Triphenylene (Triph) (analytical standard, 98.8%
purity), benz[e]pyrene (B[e]P) and inden[1,2,3,-c,d]pyrene (I [1,2,3,-c,d]P) in cyclohexane
were obtained from Sigma-Aldrich, USA (100 μg/mL). Methanol (gradient grade, ≥99.8%)
was purchased from Avantor Performance Materials Poland S.A. (Poland). Acetonitrile
(gradient grade, ≥99.9%), dichloromethane (ACS reagent, ≥99.5%), tetrachloroethane (ACS
reagent, ≥99.0%), carbon tetrachloride (≥99.5%) and acetone (suitable for HPLC, ≥99.8%)
were purchased from Sigma-Aldrich, USA, and Merck, Germany. Chloroform (ACS reagent,
≥99.8%) was obtained from Acros Organic, Belgium. Ultrapure water was obtained from a
Milli-Q system (Millipore, Bedford, MA, USA).

2.2. Samples

Real surface water samples with different salinity and matrices were used to assess
the applicability of the developed method for the analysis of real samples. Lake water
was collected from the local Lake Karasun (Krasnodar, Russia). Sea water samples were
obtained from the Azov Sea (Temruk, Russia) and the Black Sea (Sochi, Russia). The blank
water was used for the model samples. All water samples were stored in brown glass
bottles and kept at 4 ◦C prior to analysis.

2.3. Instruments

In this work, two chromatographic systems were used for the determination of PAHs:
a gas chromatograph with a split/splitless injector coupled to a quadrupole mass spec-
trometer (Shimadzu GCMS-QP2020, Shimadzu, Japan) and a Shimadzu LC-30 Nexera
high-performance liquid chromatograph (Shimadzu, Japan) with an SPD-M30A photodi-
ode array detector (PDA) and an RF-20A/20Axs fluorescence detector (FD) equipped with
an autosampler. A Liston C 2201 centrifuge (Russia) was used for phase separation. The
compounds were identified using Wiley8 and NIST-17.1 mass spectral libraries as well as
the retention times of the individual PAHs standards.

2.4. GC-MS Analysis

The injection port temperature was 250 ◦C, and a split ratio of 1:10 was applied. The
oven temperature program was as follows: the initial temperature was 60 ◦C, then it
increased from 60 ◦C (held for 1 min) to 170 ◦C at the rate of 15 ◦C/min, from 170 ◦C
(held for 3 min) to 280 ◦C at the rate of 10 ◦C/min, from 280 ◦C(held for 8 min) to 290 ◦C
at the rate of 10 ◦C/min and held constant at 290 ◦C for 25 min. The ion source tem-
perature was maintained at 250 ◦C. Ultra-pure helium (99.995%) was used as a carrier
gas at a constant linear velocity of 30 cm/s. Selected ion monitoring (SIM) mode was
used to achieve higher sensitivity and minimize the influence of matrix. Separation
of 20 PAHs including difficult to separate isomers, such as phenanthrene/anthracene,
chrysene/triphenylene/benz[a]anthracene, benz[b]fluoranthene/benz[k]fluoranthene and
benz[a]pyrene/benz[e]pyrene, was carried out on a 5 ms Zebron capillary column
(60 m × 0.25 mm, 0.25 μm). The integration of target analyte peaks on the chromotogram
was performed by the GCMSsolution software Version 4.45.

2.5. HPLC-FD/PDA Analysis

To separate the PAHs, a Kinetex 3.5 μm PAH column (150 × 4.5 mm) was used.
Deionized water and acetonitrile were used as eluents in the gradient elution mode as
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follows: the initial eluent composition was 50% acetonitrile for 3 min; 3–10 min: a linear
ramp to 100% acetonitrile with a plateau at 100% acetonitrile for 8 min; 18–18.5 min: a
decrease to 50% acetonitrile; 18.5–20 min: a plateau at 50% acetonitrile for 1.5 min; the
flow rate was 1 mL/min. Since acenaphthylene does not fluoresce, PDA was used for its
detection at the wavelength of 254 nm. Detection was performed by programming the
excitation and emission wavelengths to obtain better sensitivity and minimize interferences.
The excitation/emission wavelength pairs (nm) were as follows: 0.01–7.50 min: 280/325 nm;
7.50–8.90 min: 265/380 nm; 8.90–9.70 min: 290/420 nm; 9.70–20 min: 300/500 nm. The
column was thermostated at 35 ◦C. The total HPLC run time was 20 min. The software
LabSolutions Version 5.73 was used for the integration of the target analyte peaks on
the chromatogram.

2.6. Extraction Procedure

Based on the literature data [36,37] and results obtained in our laboratory, the extrac-
tant for DLLME was selected. Chloroform, dichloromethane, dichloroethane and carbon
tetrachloride were tested as extraction solvents. Acetonitrile was used as a dispersive
solvent in the initial experiments, because it provided stable and reproducible extraction
systems. To evaluate the effect of extraction solvent type, a series of sample solutions
were tested using 1 mL of acetonitrile and 50, 100, 150, 200 and 500 μL of chlorinated
solvents for water sample volumes of 10 mL. Experiments were carried out by spiking
model water samples with PAH standard solutions at different concentration levels, i.e.,
low (0.0002 μg/L), medium (0.1 μg/L) and high (1 μg/L). The experiments were carried
out in three replicates. Based on the obtained results, three procedures for the extraction of
various PAHs from water have been developed.

Extraction of light PAHs. In a glass centrifuge tube, 10 mL of water was added, and the
extraction mixture consisting of 150 μL of chloroform and 400 μL of methanol was quickly
injected by using a 2 mL syringe. Then, the tube was shaken for 1 min and ultrasonicated
for 2 min at 35 kHz. To separate the sample and extractant (chloroform) phases, the tube
was centrifuged for 2 min at 2600 rpm.

Extraction of heavy PAHs. In a glass centrifuge tube, 10 mL of water was added,
and the extraction mixture (150 μL of chloroform and 1.5 mL of acetonitrile) was quicky
introduced into the sample by using a 2 mL syringe. Then, the tube was shaken for 1 min
and centrifuged for 5 min at 3600 rpm for phase separation.

Extraction of 20 PAHs. In a glass centrifuge tube, 10 mL of water was quickly spiked
with the extraction mixture, i.e., 150 μL of chloroform and 1.0 mL of acetonitrile + acetone
(1:1) binary dispersive agent, by using a 2 mL syringe. Then, the extraction system was
shaken for 1 min and ultrasonicated for 6 min at 35 kHz. For the phase separation, the tube
was centrifuged for 2 min at 2600 rpm.

3. Results and Discussion

3.1. Estimation of Effectiveness of DLLME Extraction Solvents for the Recovery of PAHs
from Water

As shown in Figure 1, the systems containing dichloroethane or carbon tetrachloride
as extractants provided the lowest recoveries. Moreover, the extractant phase was not
separated in the case of dichloromethane. Satisfactory analyte recoveries were achieved by
using chloroform, which agreed with the results of our previous study, i.e., the application
of DLLME for the extraction of PAHs from soils and bottom sediments [38].

At this stage, the use of chloroform volumes less than 150 μL was established to
result in the insufficient extractant phase separation (Figure 2a). With further increase in
chloroform volume, a decrease in the sensitivity was observed. A stable extraction system
and sufficient recoveries were obtained by using 150 μL of chloroform (Figure 2b) and,
consequently, this extractant volume was chosen as optimum.
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Figure 1. Comparison of polycyclic aromatic hydrocarbon (PAH) recoveries from water samples by
using various extraction solvents.

  
(a) (b) 

Figure 2. Stability of the extraction system for the recovery of PAHs using chloroform in volume:
(a) 100 μL; (b) 150 μL.

When the ratio of a tested sample to solvent volume is selected, several requirements
should be considered: the volume of water has to be sufficient for the effective concentration
of analytes and the quantitative separation of chloroform drop from the extraction system.
The last condition limits the maximum sample volume. According to these limitations, the
sample volume of 10 mL was chosen in the following extraction steps.

Based on the obtained results, chloroform volume of 150 μL and 10 mL of water
sample were used in further experiments.

3.2. Selection of Dispersive Solvent and It Is Optimal Volume

The selection of appropriate combinations and ratios of dispersive and extraction
solvents is essential because it affects the formation of a stable and effective extraction
system. Acetonitrile, acetone, methanol and their binary mixtures like acetone + acetonitrile,
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methanol + acetone and methanol + acetonitrile were chosen as dispersive agents. The
extraction mixtures with a constant volume of the extractant (150 μL of chloroform) were
used in the following investigation, and volumes of dispersive solvents were between
0.2 and 1.7 mL. The criteria for selecting the volume of the dispersive solvent were the
formation of a cloudy solution and minimum dissolution of the extractant in the dispersive
solvents in water phase (the necessary and sufficient conditions). The extraction systems
that were satisfactory reproducible in terms of droplet volume in replicate experiments
were chosen for further tests (Table S1). Based on experimental results, the optimal volumes
of individual dispersive solvents were selected, and for acetonitrile it was 1.5 mL, for
methanol it was 0.4 mL and for acetone it was 1.0 mL. Among the binary solvent mixtures,
stable systems were obtained only when acetonitrile volume was equal or exceeded the
other solvent volume (methanol or acetone). In the case of acetone and methanol mixture,
utilization of excessive acetone volumes allowed us to obtain stable extraction systems.
Thus, it was 0.5 + 0.5 mL for mixtures containing acetone and acetonitrile or acetone
and methanol, and 0.75 + 0.75 mL of the mixture with methanol and acetonitrile. These
dispersive solvent volumes were used in the following stage. The extraction capability of
the developed solvent mixtures by PAHs was assessed by analysis of water samples spiked
with PAHs at two concentration levels (5 and 50 ng/mL).

The obtained results demonstrated several peculiarities of PAHs extraction when
individual solvents were used as dispersive solvents (Figure 3). Acetonitrile was preferable
for the extraction of heavy and several light PAHs (fluorene, phenanthrene, anthracene,
fluoranthene, pyrene); for these compounds, the recoveries were up to 89%. However,
the recoveries of naphthalene group PAHs (acenaphthene, acenaphthylene, biphenyl and
2-methylnaphthalene) were less than 60%. Application of methanol allowed us to in-
crease the recoveries of naphthalene group PAHs to 78–85% and provided high extraction
efficiency for fluorene, phenanthrene, anthracene, fluoranthene and pyrene (80–89%). Ace-
tone showed the worst results as a dispersive solvent among the solvents. In this case,
the maximum recoveries were 75–76% for benz[b]fluoranthene, benz[k]fluoranthene and
inden[1,2,3–c,d]pyrene, while the recoveries were less than 65% for other compounds;
therefore, acetone was not used in the further studies.

Thus, the results demonstrated the possibility of highly efficient extraction of particular
groups of PAHs by individual dispersive solvents, i.e., acetonitrile for the extraction of
PAHs containing three or more aromatic rings and methanol for light PAHs. However, the
individual dispersive agents did not provide simultaneous efficient extraction of a large list
of PAHs. The application of binary mixtures as the dispersive agents was studied to solve
this problem. The binary mixtures of acetonitrile with methanol or acetone provided high
extraction recovery of PAHs containing more than three aromatic rings. The recoveries
were comparable in both cases and ranged between 82 and 89%. However, the mixtures
were ineffective for the extraction of naphthalene group PAHs; for example, the recoveries
of naphthalene by methanol + acetonitrile and acetone + acetonitrile were 43 and 64%,
respectively. The application acetone + methanol mixture resulted in obtaining the lowest
extraction recoveries of all compounds.

It can be stated that the individual dispersive solvents provide potentially high ex-
traction recoveries for light PAHs or the analytes containing three or more aromatic rings,
and it is possible to develop a universal effective scheme for the simultaneous recovery
of different molecular weight PAHs by applying the binary mixture consisting of acetone
and acetonitrile.

To increase PAHs recoveries, the influence of ultrasound treatment and centrifugation
parameters on the developed extraction mixtures was investigated.
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Figure 3. Effect of the dispersive agent compositions on the extraction recovery of PAHs.

3.3. Ultrasonication Effect on Extraction of PAHs from Water

The ultrasound treatment in DLLME provides decreased size of solvent drops and,
consequently, increases the extraction efficiency [39]. To study this influence, water samples
spiked with PAHs at 50 ng/L (concentration of analytes in the extract was 2.5 ng/mL)
were ultrasonicated from 2 to 8 min. Ultrasonication of the extraction mixture containing
acetonitrile as a dispersive solvent (mixture I) resulted in decreased recoveries of com-
pounds (Figure 4a). The observed effect could be related to the reverse mass transfer of the
analytes from chloroform to acetonitrile-water phase. Ultrasonication showed a positive
effect on the extraction of analytes, when mixtures with methanol (mixture II) and the
binary dispersive agent (mixture III) were used, and the optimal treatment times were
2 min (Figure 4b) and 6 min (Figure 4c), respectively. The effect of ultrasonication on the
extraction of representative PAHs by the mixture containing binary dispersive agent is
shown in Figure 4c; similar results were obtained for other investigated compounds.

3.4. Effect of Centrifugation on Extraction of PAHs from Water

The selection of centrifugation parameters is also important for the formation of the
extractant drop. To study the effects of centrifugation speed and time on the recoveries of
PAHs, the following conditions were tested: 2600 rpm (2 min), 3000 rpm (2 min), 3000 rpm
(5 min), 3000 rpm (10 min) and 3600 rpm (5 min). Water samples spiked with PAHs at 50
ng/L (concentration of analytes in the extract was 2.5 ng/mL) were used in the experiments
(3 replicates).

The results of experiments showed that best conditions for mixture I were 3000 and
3600 rpm for 5–10 min. In this case, the recoveries exceeded 99% for each PAH. However, the
mixtures II and III had different behavior at long centrifugation times and high speed, and
the extraction recoveries of PAHs were decreased. The optimized centrifugation conditions
for mixtures II and III were 2600 rpm and 2 min. The optimization of ultrasonication and
centrifugation conditions allowed us to increase the extraction efficiency of analytes by
using the three suggested mixtures.
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Figure 4. Cont.
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(c) 

Figure 4. Effect of ultrasonication time on the recoveries of PAHs with extraction mixture: (a) chlo-
roform and acetonitrile (mixture I); (b) chloroform and methanol (mixture II); (c) chloroform and
acetone + acetonitrile (mixture III). Concentration of the analytes: 2.5 ng/mL.

Based on obtained results, three extraction schemes were suggested for the sample
preparation of water by using DLLME with physical effects: procedure A for the extraction
of PAHs containing more than three fused aromatic rings; procedure B for the extraction
of naphthalene group PAHs and PAHs containing no more than four aromatic rings; a
universal procedure C for the extraction different PAHs. For procedure A, in the first
step, mixture I was added to the water sample. Next, the samples were shaken and
centrifuged for 5 min at 3600 rpm to separate the extractant. For procedures B and C, after
the addition of mixture II or III to the water sample, shaking and ultrasonication of the
systems were conducted for 2 or 6 min, respectively. Centrifugation was carried out for
2 min at 2600 rpm to separate the extractant. Under the optimized conditions, procedure
A provided the recoveries of heavy PAHs of 95–102% depending on the analyte (from
fluorene to benz[g,h,i]perylene); the recoveries of light PAHs (from naphthalene to pyrene)
were 95–101% by using procedure B; the recoveries between 91 and 99% for PAHs were
obtained by procedure C (Table 2).

The universal DLLME procedure with the binary mixture (acetone + acetonitrile) as
the dispersive agent was validated, because it provided high recoveries in the simultaneous
extraction of a large list of PAHs.

24



Molecules 2022, 27, 8586

Table 2. The recoveries of PAHs by using different sample preparation procedures.

PAHs
Recovery (%)

Procedure A Procedure B Procedure C

Naph 74 ± 5 101 ± 4 91 ± 5
2-MN 75 ± 4 99 ± 4 92 ± 3
Biph 75 ± 5 99 ± 4 92 ± 4
Acy 74 ± 5 98 ± 3 92 ± 5
Ace 76 ± 4 100 ± 3 93 ± 4
Flu 95 ± 3 100 ± 8 92 ± 5
Phe 97 ± 3 99 ± 4 93 ± 3

Anth 97 ± 4 95 ± 4 93 ± 4
Pyr 98 ± 4 101 ± 7 95 ± 3

Fluor 99 ± 4 98 ± 4 92 ± 4
B[a]A 100 ± 6 82 ± 6 98 ± 4
Chry 98 ± 3 82 ± 6 98 ± 3
Triph 98 ± 3 80 ± 5 95 ± 4
B[b]F 100 ± 4 79 ± 4 96 ± 4
B[k]F 98 ± 3 78 ± 4 97 ± 4
B[a]P 98 ± 4 76 ± 3 97 ± 4
B[e]P 102 ± 5 73 ± 3 98 ± 4

I [1,2,3-c,d]P 101 ± 4 71 ± 3 98 ± 3
D[a,h]A 98 ± 3 72 ± 3 98 ± 3
B[g,h,i]P 99 ± 3 72 ± 3 99 ± 3

3.5. Determination of Different PAHs by Dispersive Liquid–Liquid Microextraction and GC-MS
and HPLC-FD/PDA Detection

The combination of DLLME with GC-MS is the simplest option, because chloroform
can be directly injected into GC-MS after centrifugation. Previously optimized conditions
of the GC-MS detection of PAHs in soils [38] were used in this work. The separation of iso-
meric pairs, such as phenanthrene/anthracene, chrysene/triphenylene/benz[a]anthracene,
benz[b]fluoranthene/benz[k]fluoranthene and benz[a]pyrene/benz[e]pyrene, was achieved
by using the temperature program: from 60 ◦C to 290 ◦C at the three stages on a specialized
capillary column (Figure 5a). Application of the selected ion monitoring (SIM) mode al-
lowed us to increase sensitivity and reliability of PAHs determination in complex matrices
of natural waters.

However, to determine lower concentrations of PAHs in waters, the application of
HPLC-FD/PDA is advisable. The separation PAHs was achieved by using the gradient
elution and time program of FD (Figure 5b).

The chromatographic conditions described in EPA 8310 method and work [40] were
used as initial to optimize HPLC-FD determination of PAHs. However, when these con-
ditions were applied for the separation of 20 PAHs at the flow rate of 1.5 mL, peaks
overlapped; at the flow rate of 0.5 mL, the HPLC performance was insufficient. The flow
rate of 1 mL/min under gradient elution conditions and timing program of the fluorescence
detector allowed us to solve the problem. Since acenaphthylene does not fluoresce, the
PDA detector was used at the wavelength of 254 nm for the determination of this analyte.

The combination of DLLME with HPLC-FD/PDA requires evaporation of chloroform
and re-extraction of the residue in a solvent compatible both with the chromatographic
system and PAHs; acetonitrile was selected for this purpose. It is well known that naphtha-
lene group PAHs with high vapor pressure can evaporate during this process [5]. In our
work, naphthalene, 2-methylnaphthalene, biphenyl, acenaphthene, acenaphthylene and
fluorene losses did not exceed 8–11%, while for other PAHs, the losses were lower than
4%, when chloroform was evaporated under the stream of nitrogen (water samples were
spiked with PAHs at low, medium and high concentration levels, 3 replicates).
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Figure 5. The chromatogram of the standard PAHs solution (50 ng/mL) by: (a) gas chromatography
and mass spectrometry (GC-MS); (b) high-performance liquid chromatography and fluorescence
detector (HPLC-FD).

3.6. Analytical Performance and Real Water Analysis

The developed method was validated in terms of linearity, limit of detection (LOD),
limit of quantitation (LOQ) and precision. As can be seen in Table S2, good linearity of
calibration curves for GC-MS and HPLC-FD/PDA detection was established, and the
determination coefficients (R2) were >0.99. The LODs for all PAHs were calculated as the
signal/noise (S/N) ratios of 3, and they were in the range of 0.10–0.20 ng/L for HPLC-
FD/PDA and between 10 and 20 ng/L for GC-MS. To check the intra-day assay precision
of the developed method, 16 replicate samples with concentrations of individual PAHs of
30 ng/L (HPLC-FD/PDA) and 100 ng/L (GC-MS) were extracted with the DLLME method
with binary solvents (acetone + acetonitrile) as dispersive agents and analyzed within one
day. The inter-day assay precision was assessed at 30 ng/L (HPLC-FD/PDA) and 100 ng/L
(GC-MS) spiking concentration during 10 consecutive days (Table S2). The relative standard
deviations (RSDs) for the target PAHs were in the ranges of 3.1–6.5% and 3.7–7.8% (intra-
day, HPLC-FD/PDA and GC-MS, respectively) and 4.3–7.0% and 5.4–8.2% (inter-day,
HPLC-FD/PDA and GC-MS, respectively). It may be concluded that the combination of
the universal sample preparation scheme with the chromatographic detection method can
be selected depending on the required sensitivity of PAHs determination. The combination
of DLLME with GC-MS is advisable for the determination of PAHs at concentrations
above 10 ng/L in waters with complex matrices due to the increased reliability of PAHs
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identification. For trace concentrations of PAHs (0.10–0.20 ng/L), DLLME should be
combined with HPLC-FD/PDA.

The validated method for the determination of PAHs was applied to different types of
water samples. Table 3 shows the results of real sample analyses. To evaluate the matrix
effect of the validated method, the spike-recovery test was performed by spiking 20 PAHs
at three concentration levels (0.2, 10 and 750 ng/L) into the tap water sample and at two
concentration levels of 10 and 750 ng/L into lake (salinity of 0.5 ‰) and seawater samples
(the Azov Sea salinity of 6–18 ‰ and the Black Sea salinity of 22 ‰). As can be seen in
Table 3, the recoveries for the PAHs in real water samples were in the range from 88 to 103%,
and the RSDs were in the range of 3.1–7.8%, demonstrating good precision. Satisfactory
repeatability of measurements proved that the sample matrices and salinity of water
negligibly affected the determination of PAHs; consequently, the developed method can be
applied to the analysis of different types of waters. Furthermore, the developed method
allows for determining naphthalene, 2-methylnaphthalene, biphenyl and acenaphthene in
waters at trace levels.

Table 3. Results of HPLC-FD/PDA determination of PAHs in real water samples (n = 2, p = 0.95).

Analyte

Sample

Tap Water Lake Water Sea Water 1 Sea Water 2

Mean
(ng/L)

ER + RSDs (%)

Mean
(ng/L)

ER + RSDs (%)

Mean
(ng/L)

ER + RSDs (%)

Mean
(ng/L)

ER + RSDs (%)

Spicked Amount (ng/L):
Spicked Amount

(ng/L):
Spicked Amount

(ng/L):
Spicked Amount

(ng/L):

0.2 10 750 10 750 10 750 10 750

Naph <0.20 91 ± 7.7 92 ± 7.5 95 ± 7.5 <0.20 88 ± 7.5 91 ± 7.1 <0.20 91 ± 7.4 95 ± 7.7 <0.20 93 ± 7.1 95 ± 7.2
2-MN <0.15 92 ± 6.2 93 ± 6.3 93 ± 6.0 <0.15 90 ± 7.2 92 ± 7.5 <0.15 92 ± 7.7 94 ± 7.8 <0.15 92 ± 7.5 97 ± 7.7
Biph <0.15 93 ± 6.2 92 ± 6.9 94 ± 6.8 <0.15 85 ± 6.8 86 ± 6.1 <0.15 95 ± 6.5 96 ± 6.8 <0.15 92 ± 7.6 95 ± 7.8
Acy <0.15 94 ± 6.5 95 ± 6.4 95 ± 6.3 <0.15 87 ± 5.8 89 ± 6.5 <0.15 96 ± 6.5 99 ± 6.6 12 93 ± 6.1 96 ± 6.3
Ace <0.15 93 ± 4.1 94 ± 3.8 95 ± 3.6 <0.15 87 ± 3.7 91 ± 3.5 <0.15 89 ± 4.0 92 ± 4.2 <0.15 94 ± 4.3 97 ± 4.5
Flu <0.15 93 ± 5.0 95 ± 4.7 98 ± 4.5 <0.15 92 ± 4.7 91 ± 4.8 1.6 99 ± 4.5 95 ± 4.3 <0.15 92 ± 4.1 95 ± 4.3
Phe <0.15 92 ± 3.9 99 ± 3.7 98 ± 3.5 3.1 87 ± 3.3 90 ± 2.9 1.4 96 ± 3.5 94 ± 3.7 1.3 99 ± 3.5 98 ± 3.6

Anth <0.15 93 ± 5.1 95 ± 4.9 93 ± 4.7 0.46 98 ± 3.8 95 ± 3.7 <0.15 92 ± 3.6 95 ± 3.8 <0.15 95 ± 3.8 97 ± 4.1
Pyr <0.15 95 ± 3.8 98 ± 3.5 95 ± 3.4 2.2 101 ± 3.1 98 ± 3.2 <0.15 93 ± 3.5 96 ± 3.4 14 94 ± 3.3 98 ± 3.2

Fluor <0.15 96 ± 4.1 98 ± 4.0 96 ± 4.0 5.9 93 ± 3.8 95 ± 3.6 0.72 96 ± 3.7 98 ± 3.5 0.19 97 ± 3.7 99 ± 3.5
B[a]A <0.10 95 ± 3.8 97 ± 3.7 95 ± 3.5 <0.10 98 ± 3.5 96 ± 3.6 <0.10 94 ± 3.2 95 ± 3.4 <0.10 97 ± 3.6 101 ± 3.8
Chry <0.10 96 ± 4.5 98 ± 4.0 96 ± 4.1 <0.10 99 ± 4.1 97 ± 3.9 0.11 91 ± 4.0 96 ± 4.2 0.27 102 ± 4.0 98 ± 3.9
Triph <0.10 95 ± 4.6 95 ± 4.4 95 ± 4.1 <0.10 97 ± 4.0 95 ± 4.1 0.84 89 ± 4.5 95 ± 4.3 5.7 96 ± 4.4 98 ± 4.6
B[b]F <0.10 94 ± 4.7 95 ± 4.4 94 ± 4.2 0.78 92 ± 4.1 95 ± 4.2 <0.10 91 ± 4.3 94 ± 4.5 0.19 94 ± 4.1 99 ± 4.4
B[k]F <0.10 95 ± 4.1 96 ± 4.0 95 ± 4.0 0.35 103 ± 3.9 99 ± 3.8 <0.10 103 ± 3.5 98 ± 3.7 0.1 98 ± 3.6 101 ± 3.8
B[a]P <0.10 95 ± 4.0 96 ± 3.8 95 ± 3.7 <0.10 96 ± 3.8 97 ± 4.0 <0.10 93 ± 3.5 95 ± 3.7 <0.10 95 ± 3.3 99 ± 3.5
B[e]P <0.10 95 ± 4.5 97 ± 4.4 95 ± 4.2 1.8 92 ± 4.1 95 ± 4.3 <0.10 92 ± 4.5 96 ± 4.0 0.18 95 ± 4.4 98 ± 4.6

I [1,2,3-c,d]P <0.10 96 ± 3.5 98 ± 3.3 96 ± 3.2 <0.10 98 ± 3.1 101 ± 3.0 <0.10 96 ± 3.5 99 ± 3.2 <0.10 97 ± 3.7 99 ± 3.9
D[a,h]A <0.10 97 ± 3.7 95 ± 3.5 97 ± 3.2 3 103 ± 3.2 99 ± 3.3 <0.10 96 ± 3.6 97 ± 3.7 0.27 96 ± 3.5 99 ± 3.7
B[g,h,i]P <0.10 96 ± 3.4 95 ± 3.5 96 ± 3.3 0.21 105 ± 3.2 101 ± 3.1 <0.10 96 ± 3.5 98 ± 3.7 0.12 92 ± 3.3 97 ± 3.5

1—The Azov Sea; 2—The Black Sea; ER—extraction recovery; RSDs—relative standard deviations; mean—the
average resulted of analytes concentration in the real water samples.

4. Estimation of the Extraction Effectiveness of PAHs from Waters with Different
DLLME Types

The proposed method for the extraction of 20 PAHs and DLLME concentration with
the binary dispersive agent and HPLC-FD/PDA detection was compared with the previ-
ously reported methods (Table 4). For comparison, the following procedures were selected:
DLLME with tetrachloroethylene as an extractant and acetone as a dispersive agent [19],
low-density solvent-based DLLME (LDS-DLLME) with acetonitrile as a dispersive agent
and hexane as an extractant [41], vortex-assisted DLLME (VSA-DLLME) technique with
dichloromethane as an extractant and vortex mixing for the dispersion [24] and solidi-
fication of deep eutectic solvent DLLME (DLLME–SFDES) using deep eutectic solvent
as an extractant and ultrasonication for the dispersion [42]. It should be noted that all
the procedures have comparable recoveries; however, the proposed procedure is more
universal regarding different PAHs. Meanwhile, the developed method has lower LODs
for most analytes in comparison with other methods [19,24,41,42]. The suggested approach
for the optimization of analyte extraction recoveries covers the differences between physic-
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ochemical properties of particular PAH groups more comprehensively. It allows us to
improve the analysis scheme and choose the optimal parameters for the simultaneous
recovery and concentration of components followed by their trace quantification.

Table 4. The LODs (ng/L) and recoveries (%) of PAHs using various DLLME techniques.

PAHs

n-DLLME a

GC-FID * [19]
VSA-DLLME b

GC-MS [24]

LDS-DLLME c

GC-MS [41]
SFDES–DLLME d

HPLC-FD [42]
UA-DLLME f

HPLC-FD/PDA **
LOD ER LOD ER LOD ER LOD ER LOD ER

Naph 10 99 2 82 58 85 6.6 103 0.07 91
2-MN n/d n/d n/d n/d n/d n/d n/d n/d 0.05 92
Biph n/d n/d n/d n/d n/d n/d n/d n/d 0.05 92
Acy 10 97 2 82 43 93 n/d n/d 0.05 92
Ace 7 82 2 83 34 92 n/d n/d 0.05 93
Flu 8 92 2 85 23 98 1.2 97 0.05 92
Phe 9 99 2 82 28 93 3.4 83 0.05 93

Anth 9 95 2 83 26 99 0.7 103 0.05 93
Pyr 10 91 3 84 37 96 0.9 107 0.05 95

Fluor 10 111 2 83 38 102 4.3 93 0.05 92
B[a]A 10 103 3 76 46 83 n/d n/d 0.03 98
Chry 10 94 3 81 49 83 n/d n/d 0.03 98
Triph n/d n/d n/d n/d n/d n/d n/d n/d 0.03 95
B[b]F n/d n/d 2 77 n/d n/d n/d n/d 0.03 96
B[k]F n/d n/d 3 74 n/d n/d n/d n/d 0.03 97
B[a]P 15 102 3 84 n/d n/d n/d n/d 0.03 97
B[e]P 20 102 n/d n/d n/d n/d n/d n/d 0.03 98

I [1,2,3-c,d]P n/d n/d 5 78 n/d n/d n/d n/d 0.03 98
D[a,h]A n/d n/d 5 78 n/d n/d n/d n/d 0.03 98
B[g,h,i]P 30 101 5 74 n/d n/d n/d n/d 0.03 99

LOD—limit of detection; ER—extraction recovery of PAHs at concentration of each analyte: a 5 μg/L; b 0.2 μg/L;
c 0.5 μg/L; d 0.3 μg/L; f 0.2 μg/L. n/d—no data; *FID—flame ionization detector; ** developed method HPLC-
FD/PDA determination of PAHs.

The developed method is fast and precise, which is proved by accuracy values lower
than 8% that are reproducible with the relative standard deviation values of 4.3–7.0%, thus
allowing researchers to use it in analytical laboratories for environmental monitoring.

5. Conclusions and Future Perspectives

In the present paper, different water sample preparation schemes were developed
for the determination of PAHs based on DLLME concentration and HPLC-FD/PDA or
GC-MS detection. Extraction solvent mixtures containing individual dispersive solvents
(methanol or acetonitrile) provided high recoveries (>95%) for light PAHs or the analytes
containing three or more aromatic rings. However, this sample preparation scheme is not
universal when PAHs with different molecular weights are simultaneously determined.
DLLME with acetone and acetonitrile as a binary dispersing solvent in combination with
ultrasonication allowed us to achieve higher recoveries of a large list of PAHs from water
samples (>99%), as they are compatible with chromatographic detection methods. With
the relative standard deviation of 3.1–7.8%, GC-MS provided detection and quantification
limits of 3.0–6.0 and 10–20 ng/L, respectively. In the case of HPLC-FD/DAD determination
of PAHs, the detection and quantification limits were 0.03–0.07 and 0.10–0.20 ng/L, respec-
tively. Analysis of water samples with different mineralization has shown that salinity has
negligible effect on PAH recoveries.

The developed analysis schemes allowed us to determine PAHs with different struc-
tures in water samples within a wide concentration range. The analysis schemes are
suitable for routine environmental monitoring, do not require highly qualified personnel
and minimize the volumes of used chloroform, which agrees with “green” analytical chem-
istry.On the other hand, despite the mentioned advantages of the DLLME procedure for
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the concentration of the analytes, its shortcoming is the use of a toxic chlorinated solvent,
even in small volumes. The aim of subsequent studies is to find biodegradable solvents
with comparable analyte concentration factors.

Supplementary Materials: The following supporting information can be downloaded https://
www.mdpi.com/article/10.3390/molecules27238586/s1, Table S1: The results obtained for different
extraction systems containing chloroform for DLLME; Table S2: Analytical performance of the
DLLME with binary solvents as dispersive agents for the determination of PAHs in waters.
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Abstract: Parabens (PBs) are used as preservatives to extend the shelf life of various foodstuffs, and
pharmaceutical and cosmetic preparations. In this work, the membrane barrier passage potential
of a subset of seven parabens, i.e., methyl-, ethyl-, propyl- isopropyl, butyl, isobutyl, and benzyl
paraben, along with their parent compound, p-hydroxy benzoic acid, were studied. Thus, the Franz
cell diffusion (FDC) method, biomimetic liquid chromatography (BLC), and in silico prediction
were performed to evaluate the soundness of both describing their permeation through the skin.
While BLC allowed the achievement of a full scale of affinity for membrane phospholipids of the
PBs under research, the permeation of parabens through Franz diffusion cells having a carbon
chain > ethyl could not be measured in a fully aqueous medium, i.e., permeation enhancer-free
conditions. Our results support that BLC and in silico prediction alone can occasionally be misleading
in the permeability potential assessment of these preservatives, emphasizing the need for a multi-
technique and integrated experimental approach.

Keywords: parabens; investigative toxicology; skin; Franz cell; lipophilicity; chromatography
approach; immobilized artificial membrane

1. Introduction

Parabens (PBs) are a group of C-4 esterified molecules of hydroxybenzoic acid (pHBA)
with a broad antimicrobial and antifungal spectrum, commonly used since the 1920s [1] as
preservatives in foodstuffs, pharmaceuticals, and personal care products (PCPs) to increase
their shelf life [2,3]. PBs having a higher value of n-octanol–water partition coefficient (log P
ranging from 1.96 to 3.57) show low water solubility, making the shorter-chained PBs better
suited for their application. These compounds can leak into the environment because they
are massively employed in the industry and released mainly through wastewater treatment
discharges [2]. PBs can be easily absorbed by the human body, both orally and after dermal
or respiratory exposure [4]. These are stable in the bloodstream for 24h and then are
metabolized, mainly by carboxylesterases, releasing nonspecific pHBA and p-hydroxy
hippuric acid and, less frequently, are excreted to various molecules as free, oxidized, or
conjugated in the microsomes [5]. Some non-metabolized parabens bioaccumulate in the
various compartments of the human body [6,7]. In addition, these toxicants can cross the
placenta barrier, leading to potential fetal exposure [8].

PBs act by altering mitochondria and membrane transport, with their long-chain ester
group showing higher antimicrobial properties. Moreover, the longer-chained PBs, such
as Butyl 4-hydroxybenzoate (BuP) and Propyl 4-hydroxybenzoate (PrP), show higher en-
docrine disruptive properties than short-chain analogs, such as Methyl 4-hydroxybenzoate
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(MP) [9,10]. In recent decades, numerous studies aimed at assessing the effects of PBs on
the endocrine system, and currently, an ample body of scientific literature, indicate that
these can exert estrogenic activity and can therefore be considered as endocrine disrupting
compounds (EDCs) featuring a non-steroidal chemical structure [11–15]. Indeed, several
studies confirm the hypothesis that PBs can act as EDCs that can modulate the functions of
the endocrine system [16–18]. Some of them, MeP, EtP, PrP, and BuP, competitively bind
the ERs [13]) and impact ER-dependent gene expression [19,20], interfering in the normal
functioning of natural endocrine hormones.

Moreover, PBs can affect reproduction by altering fertility and reproductive functions
in male rodents after repetitive oral exposure by causing epigenetic hypermethylation
of sperm DNA, which may impact transcription regulation and be transmitted to the
offspring [21]. Although their acute toxicity is low [22], a gap in knowledge subsists
about their health effects after chronic exposure, which currently prevents an accurate risk
assessment. This work aimed to explore the passage of seven parabens and their parent
compound, pHBA, through the skin, the most prevalent route of human exposure [23],
by measuring (a) their permeability using a traditional Franz diffusion cell system and
(b) their affinity for membrane phospholipids by immobilized artificial membrane (IAM)
liquid chromatography (LC).

Figure 1 shows the chemical structures of analytes we investigated: Methyl 4-
hydroxybenzoate (MP), Ethyl 4-hydroxybenzoate (EP), Propyl 4-hydroxybenzoate (PrP),
Butyl 4-hydroxybenzoate (BuP), Isopropyl 4-hydroxybenzoate (iPrP), Benzyl 4-
hydroxybenzoate (BzP), Isobutyl 4-hydroxybenzoate (iBuP), and pHBA. Some PBs, i.e.,
MP, EP, BuP, PrP, and pHBA, are authorized in PCPs, up to 0.4% for a single ester and
0.8% in mixtures. Isopropyl-, isobutyl-, phenyl-, benzyl-, and pentylparabens have been
banned from use in PCPs in Europe since 2014 [24].

Immobilized artificial membrane stationary phases consist of phosphatidylcholine
(PC) analogs covalently bound to silica, aiming to mimic biological cell membranes closely.
The degree of affinity between analytes and the IAM stationary phases is regarded as
phospholipophilicity and indicated by the logarithm of coefficient of analytical retention
achieved at or extrapolated to 100% aqueous conditions (log kw IAM). Indeed, previous
studies by our research team demonstrated a good correlation between data obtained
with traditional in vitro methods (intestinal tissues and passage through cell bilayers) and
those achieved with this analytical technique [25,26], which was proven to be effective in
studying the membrane permeability potential of target compounds both in vivo and in
situ [27,28]. Analogously, we decided to explore the possible relationships between BLC and
transdermic passage in order to verify if the lipophilicity can predict the PBs’ permeation.

Figure 1. Cont.
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Figure 1. Chemical structure of parabens under investigation.

2. Results and Discussion

This work aimed at studying the membrane affinity and the dermal absorption of seven
parabens—some of which, i.e., MP, EP, BuP, PrP, are allowed in PCPs—and their parent
compound, pHBA. Table 1 summarizes chromatographic parameters applied to determine
the analytes in the acceptor chambers of the FDC, the calibration curve parameters, and
relevant physicochemical properties. Chromatographic conditions used in HPLC-UV
methods for the quantification of all eight chemicals in receptor fluid solution were found
sensitive (up to 2.5 μg mL−1) to their detection, and a sound linear relationship (r2 > 0.9256)
was found between the instrument response and the applied concentration values spanning
in the range 0.052–0.886 μg mL−1 (LOD values in Table S1).

Table 1. Chromatographic and physicochemical parameters of the eight chemicals.

Compound S (mg L−1)
Molecular

Weight (g/mol)
Log P Range (μg mL−1)

Mobile Phase
Composition ACN:H2O

Rt (min) Slope Intercept r2

pHBA 5.00 × 103 138.12 1.58 20–40 40:60 * 6.1 43879 11,792 0.9992
MP 2.50 × 103 152.16 1.96 5–40 50:50 8.3 402.09 1120.1 0.9988
EP 8.85 × 102 166.18 2.47 5–40 50:50 10.9 3503.5 1344.3 0.9861
PrP 5.00 × 102 180.21 1.96 2.5–20 50:50 15.7 1059.8 1647.2 0.9973
iPrP 5.00 × 102 180.21 1.96 2.5–20 60:40 10.6 795.67 2048.8 0.9975
BuP 2.07 × 102 194.23 3.57 2.5–20 60:40 14.5 2275.3 2863.3 0.9256
iBuP 2.07 × 102 194.23 3.57 2.5–20 50:50 23.0 1271.4 1831.0 0.9984
BzP 0.92 × 102 228.25 3.56 2.5–20 60:40 14.5 723.07 2675.1 0.9976

S = Solubility in water; Log P were taken from PubCHEM; * the aqueous phase was phosphate buffer pH 3.0.

Permeation results, as assessed by Franz cell diffusion study, are shown in Table 2
along with the percentage permeation consistent with skin permeation values.

Table 2. Permeability coefficient and maximum flux ± standard deviation of the three compounds
able to cross the skin. Median of % permeation, with 95% interval confidence given in parentheses.

Compound Maximum Flux (μg/cm2/h) Kp (cm/h) Permeation (%) (Median)

pHBA 12.68 ± 4.08 0.012 0.997 (0–1.22)
MP 76.23 ± 26.60 0.305 9.148 (4.94–19.70)
EP 2.35 ± 0.71 9.4 × 10–4 0.110 (0–0.11)
PrP Nd nd nd
iPrP Nd nd nd
BuP Nd nd nd
iBuP Nd nd nd
BzP Nd nd nd

MP and pHBA exhibited a maximum passage through the porcine skin within 30 min
from the beginning of the experiment, while EP passage was realized within 120 min.
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Furthermore, as shown in Table 2, the EP Kp value was lower than MP’s. In fact, MP was
found to have a maximum flux value of 76.23 ± 26.60 (μg/cm2/h), which is significantly
higher than that of EP (maximum flux of 2.35 ± 0.71 μg/cm2/h). Thus, PBs with a shorter
alkyl chain present higher permeation, MP > EP, and show that the skin permeation degree
of PBs can be considered moderate, according to the definition of Marzulli et al. [29].
Conversely, starting from PrP, analogs with longer chains were not detected in receptor
fluids at any time. The pHBA showed an intermediate passage profile between MP and EP,
probably due to its free ionizable carboxyl acid group with a pKa of 4.01 (SwissADME),
which is partially ionized at the experimental pH (5.0).

Over the years, in vitro Franz diffusion experiments have evolved into one of the
most important methods for researching transdermal absorption [30]. However, these
procedures have some shortcomings, including their being time-consuming and poorly
inter-lab reproducible. For this reason, an increased demand for higher throughput, more
inter-lab reproducible methods emerged. Chromatography performed on stationary phases
emulating the asset of biological membranes cannot directly describe the permeation of
the analytes but can accidentally assist in the pharmacokinetic (PK) profiling of an array of
target compounds and potentially offer usefulness in surrogating permeation data [31].

Table 3 shows experimental log kw IAM performed on both columns, IAM.PC.MG
and IAM.DD2.

Table 3. Experimental phospholipophilicity values measured on both the IAM.PC.MG and
IAM.PC.DD2 stationary phases.

Compound logkw
IAM.MG logkw

IAM.DD2

pHB −0.955 −1.054
MP 0.615 1.306
EP 0.956 1.751
PrP 1.339 2.267
iPrP 1.227 1.914
BuP 1.818 2.812
iBuP 1.708 2.448
BzP 2.292 2.735

A good relationship (r2 = 0.898) was found between log kwIAM values determined on
the IAM.PC.MG and IAM.PC.DD2 stationary phases, as can be seen in Figure 2, suggesting
that the role of the end-capping in the analytical retention is only marginal.

Figure 2. Relationship with phospholipophilicity data achieved on IAM.PC.MG and IAM.PC.DD2
stationary phases.
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In the Supplementary Materials (Table S2 and Figure S1), we also show the in silico
calculated clogkw IAM.MG vs. clogkw IAM.DD2 values having a similar trend but are
slightly higher than the experimental values. These are achieved via a user-friend Web
service (available at https://nova.disfarm.unimi.it/vegaol/logkwiam.htm (accessed on
27 June 2022) able to predict the phospholipophilicity of any molecule included in the
PubChem collection [28]. Table 4 shows Kp values achieved by SwissADME® software
(Swiss Institute of Bioinformatics© 2022, Lausanne, Switzerland) compared to those for the
PBs able to cross the skin in our experimental conditions.

Table 4. Logarithm of experimental and calculated permeability coefficient (Kp). Log Kp * = Determined
in the present study; Log Kp ** = SwissADME calculator.

Compound Log Kp * cm/s Log Kp ** cm/s

pHBA −5.48 −6.02
MP −4.07 −5.84
EP −6.58 −5.56
PrP Nd −5.24
iPrP Nd −5.40
BuP Nd −4.95
iBuP Nd −5.05
BzP Nd −4.93

In Figure 3, we report the relationship between log kwIAM.MG (a) and log kwIAM.DD2
(b) values achieved for all chemicals under investigation but pHBA, already reported in
Table 3, versus Log Kp values achieved from SwissADME® software. Indeed, pHBA is
the only acidic analyte of the dataset. According to the pH piston hypothesis formulated
by Avdeef [32], after some experimental observations about the partitioning of drugs into
liposomes, negatively charged molecules interact with the positively charged ammonium
groups of PC moieties located at the outer side of the membranes, engage more externally,
and remain on the surface. In contrast, cations interact with the negatively charged phos-
phate moieties that are located inside. Consistently, pHBA, as a carboxylate at experimental
pH 5.0, is less retained by both IAM phases than a neutral isolipophilic molecule and
therefore exhibited a log kw IAM value < 1. When we compare IAM data with in silico
permeation values achieved by the software SwissADME®, a good relationship is observed
if pHBA is left out (Figure 3). Indeed, phospholipophilicity, which effectively describes the
affinity of chemicals to the membrane [33], can be used in combination with other methods
to shed light on the molecular features of these preservatives driving their toxic effects and
specifically their endocrine-disrupting properties.

Similar to SwissADME® software, many in silico methods share the objective of predict-
ing the penetration of molecules through the skin, and these normally exploit quantitative
structure–property relationships (QSPRs), models based on diffusion mechanisms, or a
combination of both [34]. Mathematical tools consist of equations to predict skin permeabil-
ity based on physicochemical properties, such as molecular weight and the octanol-water
partition coefficient (log Kow) [35–39]. The Kp data achieved by SwissADME® contradict
the experimental permeation data. Indeed, according to the in silico data, the Kp values
would be rather similar for the whole dataset, and there is only a slight difference in perme-
ation rate starting from MP up to the higher chain analog. Instead, in our FDC experiment,
only three compounds could cross the pig skin membrane.

We should highlight that membrane crossing is a complex phenomenon where multi-
ple passage pathways that cannot be necessarily accounted for by either in silico or IAM
methods can occur. The routes of permeation of the molecules across the skin includes the
transcellular route where the molecule encounters the low lipid regions in the cytoplasm
of the corneocytes; the intercellular route of dense lipids and fatty acids featuring both
hydrophilic and lipophilic regions, making this route very resistant to permeation; and
the shunt pathway or appendageal route with diffusion into the sweat gland, hair follicles,
and sebaceous gland [40]. Indeed, the diffusion of the target molecule through the lipoidal
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layer is regarded as transcellular passage, and that is the mechanism that most compounds
of pharmaceutical/environmental concern seem to exploit. However, smaller hydrophilic
molecules can overcome the skin barrier by passing through the intercellular space between
the cells, therefore using the intercellular route [41]. The relative contribution in the overall
passage depends mainly (but not exclusively) upon the molecular volume. It is reasonable
to assume that the contribution of the intercellular passage for MP is greater than that of
EP for the relatively lower molecular weight and, therefore, molecular volume.

Figure 3. Relationship between Log Kp values achieved from SwissADME® software and log kw
IAM.MG (A) and logkw IAM.DD2 (B) values achieved by IAM chromatography. A good relationship is
observed, demonstrating that IAM experimental data of affinity for phospholipid agree with skin
permeation data.

Our FDC data substantiate that the permeation potential of the target preservatives
could also be affected by solubility, which decreases at increasing chain length, and so, the
absolute amount exposed to the membrane for PBs with chain length > propyl is fairly
inferior to that of other PBs [42]. The excipients contained in various formulations may
potentially affect the skin crossing [43–45] by

- Decreasing the polarity of the medium and increasing the relative solubility of our
target preservatives, and

- Disrupting the packing of lipids into biological membranes and increasing their leakiness.

For these reasons, most of these excipients can act as enhancers to increase skin barrier
permeability. Indeed, in the Caon et al. study [42], PBs are dissolved in ethanol, a well-
known promoter of skin passage [46], at various percentages (0.1% paraben dissolved in
an ethanol/PBS mixture—20:80 and 50:50), while other studies introduced PBs in donor
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chambers as cream (O/W emulsion) formulations [47] or as commercial body lotions [48].
For instance, Hatami et al. evaluated the passage of MP and BuP from an emulsion using the
FDC system, observing that MP has lower permeation and lower extent than BuP, adding
PBs in the oily phase of the formulation [49]. Conversely, our experiments were run in a
fully aqueous phase at pH 5.0, enhancer-free conditions, with saturated solutions of each
PB, and thus, our results are partially consistent with those other previously mentioned
studies, since only MP and EP and not PrP and BuP were found in receptor fluids. We
underline that the design of the FDC experiments was underpinned to study the skin
passage of the PBs per se, not as ingredients of a formulation because even if the employed
formulations contain enhancer excipients, a 100% aqueous vehicle is the most appropriate
standard state to assess the permeation [39].

Lipophilicity is a driving force of the transmigration of xenobiotics through the mem-
brane, but the presence of other active/excipients can reduce surface tension, minimizing
its impact on the overall permeation.

For this reason, the surrogate models such as in silico prediction and BLC should only
be used as preliminary screening tools for chemicals to be followed by diffusion studies
exploiting natural skin model, as these can fail in the estimation of molecule’s permeation.

3. Materials and Methods

3.1. Chemicals

Methyl 4-hydroxybenzoate (MP), Ethyl 4-hydroxybenzoate (EP), Propyl 4-
hydroxybenzoate (PrP), and Butyl 4-hydroxybenzoate (BuP) were purchased from Merck
& Co. (Poole, UK). Isopropyl 4-hydroxybenzoate (iPrP) was purchased from Fluorochem
(Hadfield, UK), Benzyl 4-hydroxybenzoate (BzP) was purchased from Sigma Aldrich (Mi-
lan, Italy), and Isobutyl 4-hydroxybenzoate (iBuP) and 4-Hydroxybenzoic acid (pHBA)
were purchased from J&K Scientific (San Jose, CA, USA). The purity of all PBs was equal
to or higher than 98%. Milli-Q water was produced in-house, and its conductivity was
0.055 μS cm−1 at 25 ◦C (resistivity equals 18.2 MΩ·cm). Phosphate buffered saline (PBS)
was freshly made in-house by adding disodium hydrogen phosphate and sodium chloride
(J.T. Baker, Phillipsburg, NJ, USA), and potassium chloride (Sigma Aldrich), by diluting
with Milli-Q water to 1 L. The pH (7.00) was determined by a pH meter. Acetonitrile (ACN)
and methanol (MeOH) were HPLC grade and purchased from Sigma Aldrich (Milan, Italy).

3.2. Tissue Preparation

For the ex vivo skin penetration studies, the Organization for Economic Co-operation
and Development (OECD) guideline recommends pig ear skin as a suitable skin surrogate
to mimic human percutaneous penetration [24]. The skin samples were excised from a male
pig ear, post-sacrifice, obtained from a local abattoir (Avellino, Italy) within three hours
from animal death. The outer part of the ear was used.

The integrity of the skin area used for the permeation experiment was examined by
measuring non-invasive trans-epidermal water loss (TEWL) using an In-vitro Tewameter®

VT 310® (Courage + Khazaka electronic GmbH, Köln, Germany), and only the skin sam-
ples with TEWL values < 10 g/m2/h were used in this study. Subcutaneous fat was
removed, and skin samples were kept at room temperature and hydrated in saline solution
(0.9% NaCl) for 5 min. Then, skin specimens were put on a filter paper (Fisherbrand™
Grade 601, Fisher Scientific, Leicestershire, UK) and cut into pieces before assembly in the
Franz Diffusion Cell (FDC).

3.3. Skin Permeation

Skin absorption tests were performed using Franz-type vertical static diffusion cells
(FDC Ø 9 mm, 5 mL receptor compartment, SES GmbH-Analyse System, Bechenheim,
Germany) with an effective diffusion area of 0.6 cm2 and receptor volume of 5.0 mL [50].
The total thickness of the skin was washed three times with 1.0 mL of water and mounted
between the two halves of the cell with the stratum corneum facing the donor compartment.
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The receptor compartment was filled with 5.0 mL of PBS pH 7.4 and checked to ensure
there were no air bubbles between the receptor fluid (PBS) and the skin. PBS is a buffer
solution that is particularly valuable because it mimics the ion concentration, osmolarity,
and pH of human body fluids [51]. The donor compartment was filled with 1 mL of a
saturated solution (concentration values are listed in Table 1) of each analyte dissolved
in PBS pH 5.0. Two cells were added as blanks filled with only PBS pH 5.0 as donor
solutions. The experiments were repeated in triplicate for a total of 24 exposed cells
and two blanks. The FDC was maintained at a constant temperature of 37 ± 0.5 ◦C
through thermostatic bath circulation, and the receptor medium was constantly kept under
magnetic stirring throughout the experiments using a Teflon cylindrical magnetic stirring
bar (dimension 10× 3 mm). At fixed time intervals ( 1

2 , 1, 2, 3, 4, 5, 6, and 24 h), aliquots
were collected from the receptor chambers and immediately replaced with the same volume
of fresh PBS medium. The collected samples were analyzed by high-performance liquid
chromatography (HPLC) in triplicate to quantify the amounts of each PB.

3.4. Chromatographic Analysis

PBs’ quantification was obtained by the regression equation obtained from standard
curves prepared on the same day and performed in concentration levels according to the
solubility of each PB to achieve a concentration close to saturated solution. Analytical
methods were set up ad hoc to analyze chemicals of interest in the receptor’s fluids.
Analyses were performed at room temperature (22 ± 2 ◦C). HPLC (LC-20 AD VP; Shimadzu
Corp., Kyoto, Japan), equipped with an ultraviolet (UV)–visible detector (Shimadzu Model
SPD10 AV) set at λ 254 nm, was used. The stainless-steel column was a reversed-phase
Supelco Ascentis C18 (250 × 4.6 mm, 5.0 μm i.d.) with a Supelguard Ascentis C18 guard
column (both from Supelco, Bellefonte, PA, USA). All mobile phases were vacuum filtered
through 0.45 μm nylon membranes (Millipore, Burlington, MA, USA). Overall analyses
were conducted at 0.5 mL min−1. Data acquisition and integration were accomplished by
Cromatoplus 2011 software (Messina, Italy). Methanol injections were made every five
runs to assess that no carryover occurred.

3.5. IAM Chromatography

Phospholipophilicity was experimentally determined using two IAM analytical columns,
i.e., IAM.PC.MG (150 × 4.6 mm, 10 μm p.s., pore size: 300 Å) and IAM.PC.DD2 (150 × 4.6 mm,
10 μm p.s., pore size: 300 Å), both from Regis Chemical Company (Morton Grove, IL, USA).
The analyses on the IAM.PC.MG were conducted on a LC-20 AD VP (from Shimadzu
Corp., Kyoto, Japan), equipped with an ultraviolet (UV)–visible detector (Shimadzu Model
SPD10 AV) set at λ = 254 nm. For the determinations on the IAM.PC.DD2, an alliance
HPLC system (Waters Corporation, Milford, MA USA) with 2690/2695 separation module,
2996 PDA detector, 717 plus autosampler, and 2487 dual λ absorbance detector, was used
at 254 nm wavelength instead. The methods were set, and chromatograms were recorded
by Waters Empower® 3 software (Milford, MA USA). On both columns, employed eluents
were 0.1 M phosphate buffer at pH 5.0 and acetonitrile at various percentages with a
flow rate of 1.0 mL min−1. All samples were dissolved in acetonitrile (ca. 10−4 M), and
chromatographic analyses were carried out at 22 ± 2 ◦C. The two different IAM station-
ary phases differ from each other in the end-capping of residual amino groups of the
silica-propylamine core, which support C10 and C3 alkyl chains being end-capped by both
decanoic and propionic anhydrides (IAM.PC.DD2), while IAM.PC.MG supports hydroxy
groups being end-capped by methyl glycolate. IAM parameters performed on both station-
ary phases have already been found to be strongly interrelated, as assessed in our previous
studies [25–28,31]. The affinity of the chemicals for both IAM.PC.MG and IAM.PC.DD2
was measured as a retention factor extrapolated at 100% of the aqueous phase (kw IAM)
by performing a polycratic extrapolation method [52]. Since all the compounds under
our investigation required at least the addition of acetonitrile to the mobile phase to elute
within 20 min, at least three different mobile phases containing acetonitrile in percentages

39



Molecules 2022, 27, 4263

(ϕ), ranging from 10% to 30% (v/v), were employed. All kw IAM values average at least
three individual measurements, and the final values are reported as decimal logarithms.

3.6. Experimental Permeability Calculation

The skin permeability was calculated as follows: PBs flux (J) was calculated from the
quantity of each PB, which permeated through the membrane, divided by the insert mem-
brane surface and the time duration (μg/cm2*h). The permeability coefficient (Kp (cm/h))
was determined from J and the drug concentration in the donor phase (Cd (μg/cm3)):

J = Qr/A × h (1)

Kp = J/Cd (2)

The ratio of each PB total amount in the receptor fluid compared to the applied amount
was calculated to determine the total absorption rate:

Total absorption (%) = Amount receptor fluid/Amount total × 100 (3)

3.7. Skin Permeation Calculator

For in silico determination of log Kp, the SwissADME® engine (freely accessible at
http://www.swissadme.ch (accessed on 27 June 2022) was used, based on a linear model
adapted from Potts and Guy, who found that Kp linearly correlated with molecular size
and lipophilicity [36].

3.8. Statistical Analysis

Calculations were made using Microsoft® Excel® of Office 365. All data sets are shown
as the mean ± standard deviation (SD), with statistically significant differences determined
by a t-test with probability (p) values < 0.05.

4. Conclusions

We studied the affinity of PBs for biomembranes, which plays a crucial role in their
membrane barrier passage that strongly affects their toxicokinetic. The study of the per-
meation of PBs in a formulation vehicle was not in the scope of this work, as whichever
experimental design would have never mirrored the plethora of cosmetic and pharma-
ceutical formulations in which PBs can be found. The actual issue of PBs’ toxicity is their
occurrence, even at low regulated doses, in many consumer goods of large consumption
that can create continuous and multiple sources of exposure for humans and generate a
chronic toxicity issue.

Our results demonstrate that caution is required when using in silico and chromato-
graphic data, with the aim of surrogating in vitro permeation values. Indeed, IAM data
reflect the affinity of compounds for phospholipids, but not necessarily their permeation
through complex barrier. In silico data are based on the application of mathematical models
that are often based in full or in part on molecular lipophilicity. However, their performance
can unfortunately be substandard when passage is modulated by other features.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/molecules27134263/s1, Figure S1: Relationship between cal-
culated phospholipophilicity data (clog kw IAM.MG and clog kw IAM.DD2) for both stationary
phases achieved by Web service (available at https://nova.disfarm.unimi.it/vegaol/logkwiam.htm.);
Table S1: Chromatographic Limit of Detection (LOD) of the seven analyzed parabens and their
metabolite; Table S2: Phospholipophilicity calculated for both stationary phases (clog kw IAM.MG**,
clog kw IAM.DD2**) in silico, via a user-friendly tool Web service (available at https://nova.disfarm.
unimi.it/vegaol/logkwiam.htm.), able to predict phospholipophilicity of any molecule included in
the PubChem collection.
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Abstract: The concentration levels of thirteen organic pollutants and selected heavy metals were
investigated in 40 plastics bottled and tap water samples. Some of the selected contaminants have an
ascertained or suspected endocrine disrupting activity, such as Bisphenol A (BPA) and its analogs,
and Bis 2-ethylhexyl phthalate (DEHP), which are used by industries as plasticizers. The most
frequently detected pollutants were Bisphenol AF (BPAF) (detection frequency (DF) = 67.5%, mean
387.21 ng L−1), DEHP (DF = 62.5%, mean 46.19 μg L−1) and BPA (DF = 60.0%, mean 458.57 ng L−1),
with higher concentration levels found in tap waters. Furthermore, a possible level of exposure to
thirteen pollutants via drinking water intake was calculated. Our findings show that, even though the
occurrence of contaminants and heavy metals in drinking waters does not pose an immediate, acute
health risk for the population, their levels should be constantly monitored and “hard-wired” into
everyday practice. Indeed, the health impact to the continuous and simultaneous intake of a huge
variety of xenobiotics from various sources by humans is complex and still not fully understood.

Keywords: drinking water; endocrine disruptors; bisphenols; DEHP; water monitoring; heavy metals

1. Introduction

Human water demands depend upon various factors such as climate, physical activity,
and diet. However, the average daily water requirement for a sedentary adult’s daily
intake, ranges from 1.5 to 2.0 L, besides the water already contained in foodstuff [1].
Therefore, due to the very high quantities needed by the human body, water is considered
a macronutrient. Unfortunately, one of the significant sources of human exposure to
pollutants is paradoxically drinking water, because of its universal solvent properties of
many environmental contaminants. European legislation [2] refers to the natural mineral
waters as waters “originated from an aquifer or underground reservoir, spring from one
or more natural or bore sources and having specific hygienic features and, eventually,
healthy properties” [3]. Natural mineral waters differ from drinking water for their spring
purity, constant mineral composition, and the specific effects that these can determine.
Unfortunately, chemicals released from industrial discharges, runoff, landfill leachate, and
wastewater effluents can spread into the groundwater due to their incomplete removal after
wastewater treatment and, therefore, pollute water already from water springs. Among
the many anthropogenic pollutants that humans discharge in the environment, endocrine-
disrupting chemicals (EDCs) have gained the world’s scientific attention because of their being
hormonally active agents, potentially interfering with endocrine systems [4]. EDCs can be
both natural and synthetic, and can mimic hormones, causing developmental, reproductive,
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brain, and immune diseases, as well as other disorders, including cancer [5–7]. People can
be simultaneously exposed to multiple EDCs, with a synergistic action affecting metabolic
processes from early development and organ functions [8–10]. People are mostly exposed to
EDCs via the intake of foodstuffs and beverages. Indeed, plastic bottles and metal food cans
lined with epoxy resins can release free monomers, which have EDC properties, migrating into
the food and getting therefore absorbed by the human body [11,12]. This phenomenon may
be magnified for foodstuff consumed in high quantities, such as drinking water. Among
the huge number of EDCs, Bisphenol A (BPA) and Bis 2-ethylhexyl phthalate (DEHP) are
among the most well-characterized EDCs utilized by industries managing plastics material
to store beverages, and components of water supply lines. BPA is commonly used in
the production of polycarbonates and epoxy resins intended as food contact materials,
including tanks for drinking water [13–16], and DEHP is a plasticizer modulating the
flexibility and hardness of plastic materials [17]. DEHP, BPA and/or other monomers can
be added to the polymer during its synthesis to tune its mechanical properties, such as
flame resistance, color, plasticity, viscosity, and lubricity. Free monomers can migrate into
the food, especially if the packaging is stored under conditions that promote this, such
as long times, high temperature, or sunlight and UV rays exposition [18]. In addition,
every pollutant may already be present in the water at its source due to groundwater
contamination. Even if the EDCs presence in water and other beverages is assessed as the
lowest among other food categories, the tap or bottled water occurrence can be justified by
the possible migration from the coating materials of cans, bottle tops, and water supply
pipes [19]. European Plastics Regulation No. 10/2011 [20] authorizes BPA as a monomer in
the production of plastic with a specific migration limit of 0.05 mg Kg−1 of food and sets
DEHP migration limit to a maximum of 1.5 mg Kg−1. Despite the sufficiently high limits
that make acute intoxication unlikely, the US Environmental Protection Agency (EPA) and
US National Toxicology Program (NTP) committees assessed “low dose” effects for several
EDCs, defining them “as any biological change occurring in the range of typical human
exposures or at doses lower than those tested in traditional toxicology assessments” [21].
Furthermore, due to restrictions set by these laws, industries replaced BPA with compounds
having the same structural scaffold, such as bisphenol F (BPF), bisphenol S (BPS), bisphenol
A diglycidyl ether (BADGE), bisphenol E (BPE), bisphenol B (BPB), and Bisphenol AF
(BPAF), which are currently covered by less stringent or no restrictions at all. These
are erroneously considered less toxic than BPA, but they are conversely suspected to be
associated with cell toxicity and adverse health effect equal to or even higher than that of
the parental compound [22–25]. The present study aims at determining thirteen organic
and seven inorganic contaminants in plastic bottled natural mineral water and in tap water,
marketed or collected from running taps in Italy, respectively. The organic chemicals
investigated included BPA and several of its analogues mentioned above, but also organic
pollutants from other classes such as:

1. 2-chlorophenol (2-CP), as s representative of chlorophenols (CPs), banned or controlled
by many countries due to its high toxicity and slow biodegradation, but still used as a
wood preservative and frequently detected in aquatic and human samples [26,27];

2. 4-nonylphenol (4-NP) is a more toxic [28] biodegradation product than its parental
compound, nonylphenol ethoxylate (NPEO), a surfactant used in various consumer
products as detergents and wetting products to lower interfacial surface tension [29];

3. 1,4-dichlorobenzene (DCB), and
4. 1,2,4,5-tetrachlorobenzene (TCB) volatile organic compounds mainly used as solvents [30];
5. Triclosan (TCS), an antibacterial agent in consumer products [31–33] and well known

environmental pollutants, having suspected or assessed estrogenic activity [34].

Furthermore, the monitoring was extended to several inorganic pollutants to include
an array of selected heavy metals, i.e., As, Hg, Pb, Cr, Co, Ni, and Cd. Indeed, heavy
metal exposure to living organisms may increase the oxidation stress of cells, possibly
inducing DNA damage, protein modification, lipid peroxidation, and, for some of them as
Cd, there is rising concern about their action on the endocrine system [35]. Due to their

45



Molecules 2022, 27, 3990

high degree of toxicity, Cd, Cr, Pb, and Hg rank among the priority metals that are of
public health significance. These metallic contaminants persist in the environment and can
accumulate in the body, leading to multiple organ damage and development of cancer [36].
The metals evaluated in this study shall be those operated by the DM 10-02-2015 (Available
online: https://www.gazzettaufficiale.it/eli/id/2015/03/02/15A01419/sg (accessed on
20 May 2022)).

2. Results

2.1. Method Validation

Calibration curves were performed in the range 15.63–250.00 ng mL−1 for bisphenol
analogs and 4 NP, and in the range 1.25–100 μg mL−1 for the different UV detected analytes
and a linear R-squared values (r2) of all the calibration curves ranged from 0.986 to 1. The
sensitivity of the method was supported by LOD parameters, with values ranging from
0.68 to 5.65 ng mL−1 for FLD detected analytes and from 0.16 to 7.24 μg mL−1 for UV
detected analytes. LOQ parameters, ranged from 2.26 to 18.83 ng mL−1 for analytes FLD
detected and from 0.53 to 24.15 μg mL−1 for analytes UV detected. Selectivity, i.e., the
ability to discriminate the analyte under study from the occurrence of other chemicals
possible interfering with its signal, was assessed by utilizing blank processed samples using
Milli-Q® water and any interfering signal was observed. Matrix effect values were found
ranging from the lowest value of 1.025 to 1.140. The accuracy of the method using the water
matrix was assessed via recovery at low and high spiking concentrations (UV detected
chemicals 20–60 μg mL−1, and for FLD detected chemicals 1.0–2.0 μg mL−1) of all the
investigated chemicals resulting in keeping to what previous reported ranging from 75.2
to 112.5%. Method validation was performed according to 2002/657/EC guidelines [37].
These results indicate that this analytical method provides a reliable response regardless
of the concentrations utilized. This is straightforward given that the biological matrices
studied in [38] are much more complex than the waters assayed in this work. After running
of each sample in triplicate, methanol injections did not show carryover.

2.2. Real Samples

The water samples, both tap and bottled waters, were checked for chemical and
physical parameters and found to be compliant to the current Italian legislation [3,39]. The
selected EDCs were detected in 37 out of 40 investigated water samples, while only three
samples (i.e., water samples, 9, 10 and 13) did not contain any of the thirteen screened
compounds to any detectable extent (Tables 1 and 2). Among the FLD molecules, BPF was
found in 14 water samples (seven tap water and seven bottled waters), BPE in 11 waters
(four tap water and seven bottled waters), BPA in 23 waters (10 tap water and 13 bottled
waters), BPB in only seven waters (three tap water and four bottled waters), BADGE
was detected in 20 waters (11 tap water and nine bottled waters). BPAF was detected
in 26 waters (11 tap waters and 15 bottled waters) (Table 1). The mean concentrations
were BPF 55.26 ng L−1, BPE 130.01 ng L−1, BPA 458.57 ng L−1, BPB 43.54 ng L−1, BPAF
387.21 ng L−1, BADGE 353.71 ng L−1, and 4-NP 89.91 ng L−1, respectively. Regarding UV
detected investigated chemicals: BPS was found in six water samples (four tap water and
two bottled waters), 2-CP in only two water samples and both at <LOQ level (one tap
water and one bottled waters), DCB in 18 waters (six tap waters and 12 bottled waters),
TCB in two water samples (one tap water and one bottled water), TCS was detected in
five waters (one tap water and four bottled waters), and DEHP in 25 waters (eight tap
waters and 17 bottled waters) (Table 2). The mean concentrations were BPS 30.74 μg L−1,
DCB 61.84 μg L−1, TCB 64.07 μg L−1, TCS 151.08 μg L−1, DEHP 46.19 μg L−1. The most
commonly chemical detected by FLD was BPAF with a DF of 67.50% along with BPA
(DF = 60%), while DEHP was the most frequently screened contaminant among those UV
detected with a DF of 62.50%. Mean and median concentrations, detection frequency
(%), and concentration range of all the EDCs under our survey are listed in Table 3 (UV
and FLD).
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Table 1. FLD detected chemicals under investigation.

Sample Origin
BPF BPE BPA BPB BPAF BADGE 4-NP

ng L−1 ng L−1 ng L−1 ng L−1 ng L−1 ng L−1 ng L−1

Water 1 South Italy spring 1 * 88.37 * * 811.61 * 117.95
Water 2 South Italy spring 2 * 11.65 * 192.36 512.39 * 81.55
Water 3 Central Italy * 43.11 * * 1544.68 * 156.71
Water 4 South Italy 30.29 * 48.94 * 57.35 23.04 *
Water 5 South Italy 9.13 5.63 4.34 * 639.51 29.74 67.81
Water 6 North Italy * * * * 322.37 * 188.09
Water 7 North Italy * * * * 179.95 * *
Water 8 Central Italy * * * 21.78 * 21.15 *
Water 9 Central Italy * * * * * * *

Water 10 Central Italy * * * * * * *
Water 11 South Italy * * * * 110.05 * *
Water 12 North Italy * * 50.57 * * 375.49 *
Water 13 Central Italy * * * * * * *
Water 14 South Italy spring 1 * 16.03 * * 54.57 52.10 41.80
Water 15 South Italy spring 2 14.07 9.24 4.34 2.56 62.53 30.96 67.39
Water 16 South Italy spring 3 7.96 67.91 28.85 * 863.45 * 97.34
Water 17 South Italy spring 1 * * * * 165.17 19.04 33.64
Water 18 South Italy spring 2 * * * * 51.58 * *
Water 19
Water 20

Water 21 #
Water 22 #
Water 23 #
Water 24 #
Water 25 #
Water 26 #
Water 27 #
Water 28 #
Water 29 #
Water 30 #

Water 31
Water 32
Water 33

Water 34 #
Water 35 #
Water 36 #

Water 37
Water 38
Water 39
Water 40

South Italy spring 3
Central Italy spring 1

South Italy
South Italy
South Italy

South Italy pickup site1
South Italy pickup site 2
South Italy pickup site 3

South Italy
South Italy
South Italy
South Italy

Central Italy
South Italy

France
South Italy
South Italy
South Italy

Central Italy
North Italy
South Italy

Central Italy

42.02
*
*

63.05
*
*
*

327.42
*
*
*

18.18
*

9.60
6.24
77.29

127.42
11.60

*
*
*

29.37

*
*

23.20
*
*
*
*

164.01
*
*
*
*
*
*
*

779.53
*
*
*
*
*

223.3

18.97
*

4.34
27.47
4.34

*
*

204.54
26.83

*
46.17
12.82
85.44
30.64
25.44
68.19
329.19
56.69
52.13
716.00

1050.00
900

*
*
*
*

3.90
*

1.16
*
*
*
*
*
*
*
*

67.75
*
*
*

15.24
*
*

*
485.90
582.82
866.37
37.71

942.61
1.02

373.44
345.55
35.15

109.59
871.92
19.82

*
*

20.30
*
*
*
*
*
*

*
214.64
49.01

177.72
17.70
101.17

*
75.85

*
*

1246.91
*
*
*
*

67.97
2363.46
17.09

*
175.15
173.45
1842.64

136.22
128.09
66.80
34.53
4.39

133.47
*

120.18
*

57.56
*

84.87
*
*
*
*
*
*
*
*
*
*

Values < LOQ = LOD values # Tap waters. * not detected.

Table 2. UV detected chemicals under investigation.

Sample Origin
BPS 2-CP DCB TCS TCB DEHP

μg L−1 μg L−1 μg L−1 μg L−1 μg L−1 μg L−1

Water 1 South Italy spring 1 * * 26.28 * * 21.51
Water 2 South Italy spring 2 6.58 * * 19.14 * 21.59
Water 3 Central Italy * * * * * 22.53
Water 4 South Italy 0.24 * 1.49 * * 5.89
Water 5 South Italy * * 6.76 * * 5.33
Water 6 North Italy * * * * * 20.0
Water 7 North Italy * * * * * *
Water 8 Central Italy * * * * * *
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Table 2. Cont.

Sample Origin
BPS 2-CP DCB TCS TCB DEHP

μg L−1 μg L−1 μg L−1 μg L−1 μg L−1 μg L−1

Water 9 Central Italy * * * * * *
Water 10 Central Italy * * * * * *
Water 11 South Italy * * * * * *
Water 12 North Italy * * * * * *
Water 13 Central Italy * * * * * *
Water 14 South Italy spring 1 * * 15.30 * * 21.55
Water 15 South Italy spring 2 * * * * * 6.15
Water 16 South Italy spring 3 * 0.16 27.22 0.26 * 32.46
Water 17 South Italy spring 1 * * 5.62 * * 6.20
Water 18 South Italy spring 2 * * * * * 2.10
Water 19 South Italy spring 3 * * 16.29 * * *
Water 20 Central Italy spring 1 * * * * * 24.65

Water 21 # South Italy * * 20.18 * * 3.57
Water 22 # South Italy 1.83 * 11.03 * * 5.06
Water 23 # South Italy * * * * * 2.10
Water 24 # South Italy pickup site1 * * 24.26 * * 6.95
Water 25 # South Italy pickup site 2 * * * * * *
Water 26 # South Italy pickup site3 11.84 0.16 22.18 * * 35.28
Water 27 # South Italy * * * * * *
Water 28 # South Italy * * * * 31.03 39.24
Water 29 # South Italy 51.45 * * * * *
Water 30 # South Italy * * 19.05 * * 5.04

Water 31 Central Italy * * * * * *
Water 32 South Ital * * 207.98 * * *
Water 33 France 10.04 * 16.51 * * 34.90

Water 34 # South Italy * * * 162.29 * 383.48
Water 35 # South Italy * * 233.40 * * *
Water 36 # South Italy * * * * * *

Water 37 Central Italy * * 112.80 * * 121.26
Water 38 North Italy * * 127.47 67.16 97.12 134.52
Water 39 South Italy * * * 355.73 * 75.00
Water 40 Central Italy * * 219.36 * * 118.46

Values < LOQ = LOD values. # Tap waters. * not detected.

Table 3. Mean, median, range of concentration, and detection frequency (DF%) of the investigated
chemicals. Values are expressed as ng L−1 for FLD detected chemicals and as μg L−1 for UV detected
chemicals. NA = not applicable.

Compound Mean Median Range DF%

FLD detected
BPF 55.26 23.78 6.24–327.42 37.5
BPE 130.01 45.56 2.92–779.53 30.0
BPA 458.57 46.17 4.34–1050.00 60.0
BPB 43.54 9.57 1.16–192.36 20.0

BPAF 387.21 165.17 1.02–1544.68 67.5
BADGE 353.71 71.91 17.7–2363.46 52.5

4-NP 89.91 67.81 4.39–188.09 47.5
UV detected

2-CP NA NA NA 5.0
BPS 30.74 8.31 0.24–51.45 15.0
DCB 61.84 13.77 1.49–233.4 45.0
TCB 64.07 NA 31.03–97.12 5.0
TCS 151.08 19.14 0.26–355.73 12.5

DEHP 46.19 21.59 2.10–383.48 62.5
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2.3. Heavy Metals

All heavy metal concentrations in the samples studied were found to be below the
national standard limits (DM 10-02-2015 Available online https://www.gazzettaufficiale.
it/eli/id/2015/03/02/15A01419/sg (accessed on 20 May 2022) (Tables 4 and 5). However,
the control and monitoring of heavy metals are important, as their presence could cause
serious harm to the population, considering the presence of other substances creating a
mixture harmful to human health.

Table 4. Analytical parameters for the heavy metals screened in the present study.

Element Wavelength
(nm)

Slit Width
(nm)

LOD (mg/L)
LMA

(mg/L) *
Calibration

Curve LR R2

Hg 253.7 0.2 0.0001 0.0010 y = 0.0005
x + 0.0001 0–20 0.9810

Pb 283.3 0.2 0.001 0.010 y = 0.0315
x − 0.01454 0–20 0.9990

Cr 357.9 0.5 0.0001 0.050 y = 0.0008
x + 0.0089 0–10 0.9972

Co 240.7 0.2 0.0001 NA. y = 0.0994
x + 0.0279 0–20 0.9609

Ni 232.0 0.2 0.0001 0.020 y = 0.0754
x + 0.0143 0–20 0.9983

Cd 228.8 0.5 0.0003 0.003 y = 0.0127
x + 0.00175 0–10 0.9983

As 193.7 0.2 0.001 0.010 y = 0.0016
x + 0.0006 0–20 0.9797

LMA: Limit maximum admissible. LR: Linear range. NA = not applicable. * DM 10-02-2015.

Table 5. Heavy metals analysis in forty investigated water samples.

Sample Hg Pb Cr Co Ni Cd As

Water 1 <0.0001 0.000223 0.00056 <0.0001 0.0005 0.00056 0.00081
Water 2 <0.0001 0.000223 0.00056 <0.0001 0.0005 0.00056 0.00081
Water 3 <0.0001 0.000162 0.00015 <0.0001 0.00016 0.00018 0.00018
Water 4 <0.0001 0.000555 0.00034 <0.0001 0.00063 0.00084 0.00088
Water 5 <0.0001 0.000398 0.00022 <0.0001 0.00068 0.00088 0.00238
Water 6 <0.0001 0.00022 0.00088 <0.0001 0.00045 0.00059 0.00281
Water 7 <0.0001 0.000162 0.00015 <0.0001 0.00016 0.00018 0.00018
Water 8 <0.0001 0.000162 0.00015 <0.0001 0.00016 0.00018 0.00018
Water 9 <0.0001 0.000224 0.00056 <0.0001 0.00022 0.00021 0.0033

Water 10 <0.0001 0.000433 0.00023 <0.0001 0.00027 0.00034 0.00029
Water 11 <0.0001 0.000432 0.00022 <0.0001 0.00033 0.00033 0.00344
Water 12 <0.0001 0.000162 0.00015 <0.0001 0.00016 0.00018 0.00018
Water 13 <0.0001 0.000311 0.00039 <0.0001 0.00044 0.00022 0.00026
Water 14 <0.0001 0.000331 0.00025 <0.0001 0.00361 0.00079 0.00178
Water 15 <0.0001 0.000313 0.00061 <0.0001 0.00264 0.00079 0.00105
Water 16 <0.0001 0.000422 0.00038 <0.0001 0.00033 0.00085 0.00109
Water 17 <0.0001 0.00038 0.00024 <0.0001 0.00048 0.00092 0.00077
Water 18 <0.0001 0.000231 0.00034 <0.0001 0.00019 0.00018 0.00055
Water 19 <0.0001 0.000231 0.00034 <0.0001 0.00019 0.00018 0.00055
Water 20 <0.0001 0.000299 0.00021 <0.0001 0.00056 0.00036 0.00018
Water 21 <0.0001 0.000561 0.00027 <0.0001 0.00244 0.00085 0.00126
Water 22 <0.0001 0.000259 0.00015 <0.0001 0.00054 0.00081 0.00091
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Table 5. Cont.

Sample Hg Pb Cr Co Ni Cd As

Water 23 <0.0001 0.00047 0.00044 <0.0001 0.00066 0.00077 0.00158
Water 24 <0.0001 0.000404 0.00017 <0.0001 0.00033 0.00085 0.00084
Water 25 <0.0001 0.000404 0.00017 <0.0001 0.00033 0.00085 0.00084
Water 26 <0.0001 0.000404 0.00017 <0.0001 0.00033 0.00085 0.00084
Water 27 <0.0001 0.000368 0.00023 <0.0001 0.00079 0.00083 0.00109
Water 28 <0.0001 0.00047 0.00044 <0.0001 0.00066 0.00077 0.00158
Water 29 <0.0001 0.000563 0.00055 <0.0001 0.00019 0.00026 0.00054
Water 30 <0.0001 0.000579 0.00046 <0.0001 0.00175 0.00088 0.00103
Water 31 <0.0001 0.000299 0.00021 <0.0001 0.00056 0.00036 0.00018
Water 32 <0.0001 0.000311 0.00034 <0.0001 0.00041 0.00045 0.0019
Water 33 <0.0001 0.000162 0.00015 <0.0001 0.00016 0.00018 0.00018
Water 34 <0.0001 0.000579 0.00046 <0.0001 0.00175 0.00088 0.00103
Water 35 <0.0001 0.000579 0.00046 <0.0001 0.00175 0.00088 0.00103
Water 36 <0.0001 0.000579 0.00046 <0.0001 0.00175 0.00088 0.00103
Water 37 <0.0001 0.000341 0.00067 <0.0001 0.00016 0.00032 0.00034
Water 38 <0.0001 0.000162 0.00015 <0.0001 0.00016 0.00018 0.00018
Water 39 <0.0001 0.000162 0.00025 <0.0001 0.0002 0.00083 0.00077
Water 40 <0.0001 0.000456 0.00031 <0.0001 0.00071 0.00067 0.00067

LMA: Limit maximum admissible; LMD: Limit minimum of detection. LMA Hg = 0.001 for all water samples;
LMA Pb, As = 0.01 for all water samples; LMA Cr = 0.05 for all water samples; LMA Ni = 0.02 for all water
samples; LMA Cd = 0.003 for all water samples; LMA Co = ND for all water samples. LMD Hg, Cr, Co, Ni = 0.0001
for all water samples; LMD Pb, As = 0.001; LMD Cd = 0.0003 for all water samples.

2.4. Estimated Daily Intake

Regarding human safety, the estimated daily intakes of individual EDCs considered in
our study for male and female adults and young people were plotted and shown in Figure 1.
The results indicate that the highest values of EDI concern BPA, BPAF, BADGE and TCS for
all the gender and age groups, even if adult female group EDI values are slightly lower
than the others, due to, probably, their IR lower if compared to IR of male adult, and due
to the higher body weight if compared to the youngest categories. Instead, EDI values
were found not considerably affected by the age. Furthermore, we also calculated EDI/TDI
ratio (Table 6), of BPA, BPAF, BADGE and TCS, which are the chemicals found at the
highest concentration values, based on TDI EFSA values (BPA 4 μg/kg BW/day), (BADGE
0.15 mg/Kg BW/day) and (BPAF and TCS 5 mg/Kg BW/day).

Figure 1. Estimated daily intake (ng/kg BW per day) of detected EDCs via drinking water consump-
tion for age and gender-specific groups.
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Table 6. Calculated EDI/TDI ratio for adult and young, male, and female, based on TDI EFSA values
(BPA 4 μg/kg BW/day), (BADGE 0.15 mg/kg BW/day) and BPAF and TCS (5 mg/kg BW/day).

Analyte Adult Male Adult Female Young Male Young Female
BPA 0.003568 0.003147 0.003216 0.003319

BPAF 2.29 × 10−6 2.02 × 10−6 2.06 × 10−6 2.13 × 10−6

BADGE 6.71 × 10−5 5.91 × 10−5 6.04 × 10−5 6.24 × 10−5

TCS 2.94 × 10−6 2.59 × 10−6 2.65 × 10−6 2.73 × 10−6

3. Discussion

BPA, BPAF, and DEHP (Figure 2a,b), were observed in waters samples with a detection
frequency of more than 60%, confirming that the observed contamination by these chemicals
is due to the anthropogenic activities impacting on the environment. Indeed, packaging
industries widely exploit monomers as plasticizers to manufacture food or beverage contact
materials [40]. However, these, and other monomers, often leach from packaging. The
highest DF and average concentration values of BPAF and its parent compound BPA found
in the water samples (Figure 2a), indicate that industries still use the parent chemical, but
at the same time increased the exploitation of structurally related bisphenols, probably due
to legal restriction set for BPA.

Figure 2. Detection frequency of FD (a) and UV (b) detected EDCs.

Literature reports aimed at studying the occurrence of EDCs in drinking waters
in various countries around the world were used to compare the data achieved in this
study [41–52]. For most pollutants, we realized that no straightforward comparison on
pollutant contamination can be drawn as current data on the drinking waters retailed in
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most countries is either missing or outdated. Nevertheless, we still believe it is worth
comparing our beverage surveillance data with the most representative papers discussing
the contamination levels of the main chemicals covered in the present article, in Europe
and overseas. BPA mean concentration (458.57 ng L−1) is almost ten times higher than
those reported by Valcarcel et al. [42] on 30 chemicals in drinking water of Central Spain
(51.23 ng L−1), and five times higher than that determined by Maggioni et al. [50] per-
formed only on drinking water from public fountains in 35 Italian cities (up to 102 ng L−1).
However, the concentration values we retrieved are rather similar to those observed in
China by Li et al. [43], who detected BPA concentrations up to 317 ng L−1. Furthermore,
bisphenol analogs in drinking waters were investigated by Zhang and coworkers in source
and drinking waters in China [44], with lower concentration values than those reported in
our current study.

The 4-NP concentration values we retrieved (89.91 ng L−1) were close to those by Mag-
gioni et al. (84 ng L−1) [50], but higher than those by Li et al. [43] in China (1.987 ng L−1).
However, 4-NP concentration in drinking water retailed in Spain by Esteban et al. in Spain
(15.0 ng L−1) [41], and by Kuch and Ballschmiter [45] in Germany (16.0 ng L−1) were about
one five times lower than those recorded in the present study.

Triclosan is an antimicrobial agent added to many household and personal care
products such as bar soaps, detergents, body, and hair wash. Several studies have reported
its occurrence in water samples in concentrations up to 9.74 ng L−1, which are much lower
than those found in our study [51].

Our results concerning DEHP concentrations showed values in the range
2.10–383.48 μg L−1, which is higher than those reported by Jeddi et al. [48] in Iran
(0.217 μg L−1) and in a literature review by Luo et al. [49], which reporting average
levels of DEHP in bottled water retailed in Thailand, Croatia, and the Czech Republic, as
high as 61.1, 8.8, and 6.3 μg L−1, respectively.

We point out that the daily dietary intakes estimated in our study may underesti-
mate the actual exposures because we considered only water consumption, while many
foodstuffs other than drinking water can be contaminated with EDCs and or other chem-
icals [15,52]. With regard to the comparison between tap and bottled waters, our data
support higher concentration levels for each compound (Figure 3) in tap water than bottled
water, except for TCS, probably due to the higher purity of source water and the absence of
any water treatments.

 

Figure 3. Detection frequency of each investigated chemicals in tap water vs. bottled waters.
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4. Materials and Methods

4.1. Analysis of Organic Pollutants
4.1.1. Reagents and Chemicals

For the analysis of organic pollutants, analytical standards, BPF (CAS No.620-92-8),
BPS (CAS No.80-09-1), BPA (CAS No.80-05-7), BADGE (CAS No.1675-54-3),2-CP (CAS
No.95-57-8), 4-NP (CAS No.104-40-5), DCB (CAS No.106-46-7), TCB (CAS No.95-94-3),
DEHP (CAS No.117-81-7), and TCS (CAS No.3380-34-5) were purchased from Sigma-
Aldrich (Dorset, United Kingdom). BPE (CAS No.2081-08-5), BPB (CAS No.: 77-40-7),
and BPAF (CAS No.1478-61-1) were purchased from TCI Europe (Zwijndrecht, Belgium).
Methanol (HPLC analytical grade) and formic acid (minimum purity ≥ 95%) were both
purchased from Sigma-Aldrich (Milan, Italy). Milli Q water (from here onward named
“distilled water”) was produced in-house, and its conductivity was 0.055 μS cm−1 at 25 ◦C
(resistivity equals 18.2 MΩ cm).

4.1.2. Samples and Standard Solutions

All the standard stock solutions (2.0 mg mL−1) of each compound were prepared in
methanol, as well as those of the mixed standard solution of all the investigated chemicals;
the solutions were stored at −24 ◦C in the dark until the use. The calibration solutions
(15.63–250.00 ng mL−1 for bisphenols and 4-NP, which were detected by fluorescence
detection and 1.25–100.00 μg mL−1, for all the other chemicals, which were detected by
UV) were freshly prepared for instrumental analysis. Plasticware was treated with a
solution of 50:50 n-hexane: tetrahydrofuran [53], water and solvents used for sample
preparation were previously analytically [38] verified as chemicals free to avoid any possible
background contamination.

From June until December 2019, we retailed 40 water samples, of which 27 drinking
water from various Italian wellsprings (North, Central and South of Italy, and one marketed
in Italy but from French spring), packaged in bottles of polyethylene terephthalate (PET),
one of the most used types of plastic for beverages for its convenience and low cost, and
13 tap water samples from the water distribution Italian system. Figure 4 shows the
sampling sites of tap waters and the spring sites of marketed bottled water. For each brand,
we took two samples from two different bottles with the same batch number. Tap waters
were directly collected from running taps after 2 min of flushing. Each sampling was taken
into two pre-rinsed glass bottles, stored at 4 ◦C, and analyzed within one week.

Figure 4. Map of tap water sampling and marketed bottled water springs. Waters 1, 2, 14–16, and
17–19 were of different brand and different spring in the same area; tap waters, were sampled in
different cities (Waters 21, 22, 27, 29, 30, 34–36) or in the same city, but served by different aqueducts
or pipelines (city 1: Waters 23, 28; city 2 Waters 24–26).
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4.1.3. Sample Preparation

Figure 5 synthetizes samples preparation and analyses steps applied in this study. In
brief, the excessive residual chlorine in tap water was removed using 0.2 g L−1 of ascorbic
acid to fix the concentration of chlorination by products in time [54]. After that, a 200.0 mL
volume of each water sample was ultrasonicated (Elmasonic S 30/H, frequency 40 kHz)
for 15 min to remove CO2 and then filtered through a 0.45 μm nylon membrane. SPE
(200-mg Strata X Polymeric Sorbent from Phenomenex, Torrance, CA, USA) was performed
on water samples (175 mL) added of 75 mL of methanol to quantitatively solubilize the
investigated chemicals. The SPE reversed-phase cartridge were conditioned with 4.0 mL of
methanol and activated by 4.0 mL of distilled water according to the SPE manufacturer
guidelines. Afterward the sample solutions were loaded onto the cartridge, washed with a
total volume of 4.0 mL of a 95/5 (v/v) water/methanol solution, and subsequently with
12.0 mL of 80/20 (v/v) water/methanol. Finally, the target contaminants were eluted using
8.0 mL of methanol. All the procedures were vacuum driven. The eluate was evaporated to
dryness (Thermo Scientific Savant DNA SpeedVac Concentrator Kits), and the residue was
reconstituted with 1.0 mL of acetonitrile for the analysis.

Figure 5. Samples preparation and analysis procedure.

4.1.4. Analysis

A separation chromatographic method, already reported in the literature [38], was
fully applied. In brief, each sample was injected three times. Analyses were performed
at room temperature (22 ± 2 ◦C). A high-performance liquid chromatography (LC-20 AD
VP; Shimadzu Corp., Kyoto, Japan), equipped with an ultraviolet (UV)–visible detector
(Shimadzu Model SPD10 AV) set at λ 220 nm and Fluorescence detector (FLD) set at
the excitation wavelength of 263 nm and at the emission wavelength of 305 nm was
conducted. The analytical column was a reversed-phase LC column Kinetex phenyl-hexyl
(100 Å, 150 × 4.6 mm, 5.0 μm particle size), equipped with a precolumn (4 × 3.0 mm)
(Phenomenex, Torrance, CA, USA). All mobile phases were vacuum filtered through
0.45 μm nylon membranes (Millipore, Burlington, MA, USA). BPF, BPE, BPA, BPB, BPAF,
BADGE and 4-NP were determined by FLD, while BPS, 2-CP, DCB, TCB, TCS and DEHP
were Ultraviolet detected (UV). Data acquisition and integration were accomplished by
Cromatoplus 2011 software. Methanol injections were made randomly to assess that no
carryover occurred.
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4.2. Heavy Metals Analysis
4.2.1. Sample Preparation

For the analysis of heavy metals, multi-element standard solution IV 1000 mg L−1: Ag,
Al, Ba, Bi, Ca, Cd, Co, Cr, Cu, Fe, Ga, In, K, Mg, Mn, Na, Ni, Pb, Sr, Tl, Zn and a Hg and
As standard solution of 1000 mg L−1,—were purchased from Merck KGaA (Darmstadt,
Germany). Water with same specifications as discussed in 4.1.1 was used.

4.2.2. Heavy Metal Analysis

Calibration blank (Cal Blk) and calibration standard (Cal Std) solutions were prepared
at concentrations of 0 μg L−1 (Cal Blk), 4 μg L−1 (Cal Std 1), 12 μg L−1 (Cal Std 2), and
20 μg L−1 (Cal Std 3), using the selenium standard stock solution, or multi-element stan-
dard stock solution, into separate 50 mL DigiTUBE® tubes (SCP SCIENCE, Baie-D’Urfe,
QC, Canada) with the addition of 0.5 mL internal standard stock solution, 0.5 mL methanol
and 5 mL concentrated nitric acid, and then diluted to the final volume with water. A
Shimadzu GFA-EX7i graphite furnace mounted on a Shimadzu model 6300 atomic absorp-
tion spectrophotometer was used with a Shimadzu ASC-6100 autosampler. Pyrolytically
coated graphite tubes and background correction (D2 lamp) were utilized. Working solu-
tions were prepared by diluting immediately before use standard solutions for absorption
a spectroscopy.

4.3. Exposure Assessment

The estimated daily intake (EDI ng/kg BW per day) of each chemical under our
research, was calculated considering the water consumption, gender, age, and body weight
(BW) according to the following Equation reported by Shi et al. [55]:

EDI= (C × IR × AP)/BW

where C is the average concentration for each detected chemicals in water sample (ng L−1),
IR is the ingestion rate of water, AP is the absorption percent of intake, which is assumed to
be 100% for drinking water, and BW is body weight (kg). Concentrations below the LOQs
were assumed as LODs, to calculate the average values. Age and gender-specific BW along
with the intake of drinking water were considered, therefore IR for water and BW were
calculated as follows: 2.23 L/day for a 78.4 kg adult male (≥18 years old), 1.65 L/day for
a 62.2 kg adult female (≥18 years old), 0.81 L/day for a 31.6 kg boy (0–14 years old), and
0.76 L/day for a 28.73 kg girl (0–14 years old), respectively, and according to literature [55].
For young people (0–14 years old) BW used for EDI calculation was based on the mean
value of three different subcategories (0–2.9, 3–9.9 and 10–14 years).

4.4. Data Analysis

All statistical analysis was done using a commercially available statistical package for
personal computers (Microsoft Excel® 2016, Washington, DC, USA). Data are expressed as
the mean of three values.

5. Conclusions

The occurrence of organic and inorganic contaminants still raises many questions
about risk they may pose to human health. In this pilot monitoring study, several pol-
lutants with suspected or ascertained EDC properties were detected in drinking water
at different concentration ranges spanning from ng to μg per L. All forty waters had a
total content not exceeding 10 milligrams of total constituents released per dm2 of food
contact surface (mg/dm2) according to the Regulation (EU) No 10/2011 and its amendment
Regulation (EU) 2018/213, on plastic materials and articles intended to come into contact
with foodstuffs [20].

These findings evidence the need of more frequent surveillance practices aimed at
detecting and quality control freshwaters intended for human consumption. However, it is
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essential to emphasize that the co-occurrence of other contaminants, as well as “natural”
elements such as heavy metals, despite their low concentration values, can cause addi-
tive/synergistic interactions with possible unexpected effects on human health, especially
if the exposure is over a long period of time. Consistently, a proposal to revise the Drinking
Water Directive, aimed at updating the water quality standards, including for the first-time
EDCs, has been recently approved [56]. This study highlights the importance of assessing
their occurrence, regardless of its being low doses, even more in drinking water than other
foods. This is because the consumption of water is high and frequent, and assessing the
human exposure to contaminants is also highly relevant to inform the legislative work of
the main government bodies.
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Abstract: A molecularly imprinting polymer (MIP) was synthesized for Basic Blue 3 dye and applied
to wastewater for the adsorption of a target template. The MIPs were synthesized by bulk poly-
merization using methacrylic acid (MAA) and ethylene glycol dimethacrylate (EGDMA). Basic Blue
3 dye (BB-3), 2,2′-azobisisobutyronitrile (AIBN) and methanol were used as a functional monomer,
cross linker, template, initiator and porogenic solvent, respectively, while non-imprinting polymers
(NIP) were synthesized by the same procedure but without template molecules. The contact time was
25 min for the adsorption of BB-3 dye from 10 mL of spiked solution using 25 mg polymer. The adsorp-
tion of dye (BB-3) on the MIP followed the pseudo-second order kinetic (k2 = 0.0079 mg·g−1·min−1),
and it was according to the Langmuir isotherm, with maximum adsorption capacities of 78.13, 85.4
and 99.0 mg·g−1 of the MIP at 283 K, 298 K and 313 K, respectively and 7 mg·g−1 for the NIP. The
negative values of ΔG◦ indicate that the removal of dye by the molecularly imprinting polymer and
non-imprinting polymer is spontaneous, and the positive values of ΔH◦ and ΔS◦ indicate that the
process is endothermic and occurred with the increase of randomness. The selectivity of the MIP for
BB-3 dye was investigated in the presence of structurally similar as well as different dyes, but the
MIP showed higher selectivity than the NIP. The imprinted polymer showed 96% rebinding capacity
at 313 K towards the template, and the calculated imprinted factor and Kd value were 10.73 and 2.62,
respectively. In this work, the MIP showed a greater potential of selectivity for the template from
wastewater relative to the closely similar compounds.

Keywords: molecularly imprinting polymer; adsorption; Basic Blue; environmental pollution

1. Introduction

Environmental pollution caused by wastewater discharging from industries containing
dyes is a worldwide problem. About 7 × 105–1 × 106 tons of synthetic dyes are produced
annually around the world [1]. In these dyes, nearly 50% are discarded during the coloring
process, and approximately 10–15% are lost as effluent into the environment. Synthetic
and natural dyes are mostly used in industries such as food, pharmaceuticals, leathers,
pulps, plastics, cosmetics, textiles, etc. [2]. When the effluents of these industries release
into the river; they cause the degradation of that environment, such as changing the
natural color and the formation of foam on the water surface. Synthetic dyes are generally
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toxic, mutagenic, carcinogenic and lethal for the health of different organisms (algae and
phytoplankton) [3]. Dye concentration of even less than 1 mg/L causes intense water
coloration. It can reduce the penetration of oxygen and light to the aquatic environment
and result in a decrease in photosynthetic activity.

The common wastewater plant treatment is not efficient in removing toxic compounds
such as dyes from water [4]. For the removal and determination of these toxic dyes
from industrial effluent, different physical and chemical techniques are used such as
chemical oxidation, chemical precipitation, adsorption, photocatalysis, microbial or en-
zymatic treatment, natural sorbent materials [5], mineral composite, chemical oxidation,
coagulation–flocculation, irradiation, adsorption, precipitation, membrane technologies, a
combination of an aerobic and anaerobic and ion exchange processes [6]. Therefore, all of
these techniques have some drawbacks and problems such as high cost, large solvent con-
sumption, large analysis time and tough sample preparation, etc. Among these techniques,
adsorptions using solid adsorbent are effective because of the simplicity and ease of their
operation. However, simple solid sorbent also has some limitations such as high cost and
lack of selectivity [7]. The biological degradation method is also used but cannot eliminate
the color of many synthetic dyes completely because of their biodegradable difficulty. To
overcome the above limitation, more specific and selective methods are needed to remove
pollutants from environmental water. So, MIP is the best choice because of its specificity
and selectivity [8]. Among the published work, MIPs for dyes are used as a sorbent for the
solid phase extraction because of their high selectivity, even in complex samples [9].

Molecularly imprinting polymers (MIPs) are the synthetic polymer used for the recog-
nition of specific substances and are able to bind with target molecules. MIPs can be
synthesized by mixing template (analyte) and functional monomer to form pure com-
plex. Then, a cross linker is added to stabilize the MIP’s 3-dimensional structure [10].
After the polymerization, the template is removed by washing, creating cavities which are
complementary to the template’s shape, size and functional group position.

Most commonly, MIPs interact with target molecules through ionic interaction, hydro-
gen interaction or non-covalent bonding [11]. The successful synthesis of MIP depends on
the cross linker, monomer and the appropriate condition of polymerization for the target
analyte. There are different methods for MIP preparation such as suspension polymer-
ization, bulk polymerization, precipitation polymerization and two-step polymerization.
The preparation of MIP through Bulk polymerization is the simplest method to form a
large-sized monolith, which can be sieved and ground by mortar and pestle into a smaller
size of 5–50 μm of irregular shape particles [12]. These synthetic, tailor-made receptors
have some advantages over the recognition of biological substances such as antibodies
and enzymes as they are cheaper, easily prepared and resistant to harsh conditions such as
base, acid, high temperature, organic solvents and high pressure. In contrast to biological
molecules, they are less expensive as well [13].

MIPs have been applied successfully to remove pesticides, pharmaceutical products
and products of personal care as sensors and in solid phase extraction (SPE). MIPs and non-
imprinted polymers (NIPs) can also be used in many areas such as control drug delivery,
biomedical or analytical diagnosis, bio sensor SPE and chromatography, as well as for
viruses and toxins [14].

The main goal of this research work is to design a highly selective MIP sorbent for
Basic Blue 3 dye and its selectivity, rebinding and application in different effluents. For the
fast determination of Basic Blue 3 dye in water samples, MIPs and NIPs were synthesized
through bulk polymerization, in which Basic Blue 3 dye shows more selectively toward
MIPs as compared to NIPs because of the recognition property of the MIP network.

2. Materials and Methods

2.1. Materials

All solvents and dyes were of analytical grade and were supplied from Sigma–Aldrich.
For MIP synthesis, methacrylic acid (MAA) (Merck; Darmstadt, Germany) was used as
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a monomer, ethylene glycol dimethacrylate (EGDMA) (Xiya Reagent (Chengdu, China)
was used as a cross linker, methanol (J.T. Baker, Phillipsburg, NJ, USA) was used as a
porogenic solvent, glacial acetic acid (Brazil) was used for the removal of the template from
MIP, 2,2′-azobis(isobutyronitrile) (AIBN) (Shanghai, China) was used as an initiator and
Basic Blue 3 (Sigma Aldrich, Darmstadt, Germany) was used as a template molecule. A
selectivity study of MIP for BB3 was carried out with MB, BB41, safranin and Thioflavin T.
The water was deionized by the Milli-Q system. The chemical structures of the dyes used
as given in Figure 1.

  
(a) (b) 

 
(c) (d) 

 

 

(e)  

Figure 1. Structure of the different dyes: (a) Basic blue 41 (BB41), (b) Methylene blue (MB), (c) Safranin,
(d) Basic blue 3, (e) Thioflavin T.

2.2. Characterization of Molecularly Imprinting Polymer and Non Imprinting Polymer

The structure of the polymer was analyzed using the Fourier-transform infrared spec-
troscopy (FTIR) Vertex 70 (Bruker, Billerica, MA USA) technique with a DLaTGS detector
and a He Ne laser in the range of 4000–500 cm−1. The polymer size and morphology were
determined using scanning electron microscopy (JSM-IT500, Zaventem, Belgium), and the
surface area was determined by multipoint Brunauer–Emmett–Teller from the isotherm
of nitrogen adsorption (ASAP 2010, Norcross, GA, USA). A total of 25 mg of dry sample
was inserted in a sample holder before the measurement with the removal of N2 at 75 ◦C
for 5 h using micrometrics at liquid nitrogen temperature. The absorbance measurements
were carried out by a UV-Visible 1800 spectrophotometer using a quartz cuvette (Shimadzu,
Kyoto, Japan).

2.3. Preparation of MIP and NIP

Mostly, the processes for MIP chemical synthesis involve noncovalent preassembly
of the template functional monomer in solution followed by bulk polymerization [15]. In
the current work, 2 mmol of the functional monomer (MAA) and 0.2 mmol of the template
(BB3) were initially dissolved in 10 mL of methanol in a glass tube and then stirred for
4 min. After mixing, the solution was allowed to rest for 2 h. Then, 5 mmol of the cross liker
(EGDMA) and 0.025 g of the initiator (AIBN) were added. The oxygen gas was removed
from the mixture by nitrogen purging for 10 min. The sealed test tube was then placed
in a water bath at 65 ◦C for 14 h. The polymer was grounded by mortar and pestle and
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then added into soxlet for washing with 3 rounds of methanol/acetic acid (7:3, v/v) and
3 rounds of methanol for the complete extraction of analyte. The same procedure as that
described above was applied for non-molecularly imprinting polymer (NIP) synthesis, but
without the template addition.

2.4. Binding Adsorption Analysis

The binding study of MIP was achieved using 20 mL vials containing 25 mg of
MIP/NIP and 10 mL of 100 mg/L dye and adjusting parameters such as mass, concen-
tration, pH and time. The mixture was then kept for 30 min on a shaker followed by
centrifugation at 14,000 rpm and then filtration of the supernatant over 0.45 μm membrane
(PTFE) before UV/V is spectrophotometric analysis. For the binding adsorption capacity,
the following equation was used.

Q =
(C0 − Ce)

V
m (1)

C0 (mg·L−1) is the initial dye concentration, Ce (mg·L−1) is the equilibrium dye
concentration, Q (mg·g−1) is the experimental adsorption quantity, V (L) is the volume of
solution and m (g) is the mass of MIP and NIP.

2.5. Selectivity Study

In order to check the formation of selective cavities in polymers, competitive adsorp-
tion analysis was carried out in the presence of those molecules that are similar as well as
different in structure to BB3. In this regard different dyes such as Methylene blue (MB),
Safranin, Basic blue 41 (BB41) and Thioflavin T were used. Each compound’s selectivity
recognition experiments were carried out by dissolving 25 mg of MIP/NIP in a 10 mL
solution (pH 11) containing 100 mg/L of each dye and equilibrated for 25 min. The concen-
tration of these dyes in the supernatant was measured with a UV-Vis spectrophotometer.

2.6. Application in Real Water

To determine the application of MIPs for the preconcentration of reactive dyes in water,
different samples were spiked with known amounts of dye concentration (100 mg/L) and
subjected to the optimized extraction process. The extraction power of MIP seems to be
affected in tap water and river water for BB3 dye, because dissolved organic and in-organic
matter in the water samples played a role in slightly reducing the selective efficiency of MIP.

3. Results and Discussion

3.1. Choice of the Materials

Typically, stable and high affinity MIP synthesis requires the following reagents:
A high nominal level of cross linker is used for the template site preservation. A

porogenic solvent and one or more functional monomer is needed to form a stable complex
with the target molecule [16].

3.2. Characterization
3.2.1. Characterization of Synthesized Polymer by SEM

With the help of scanning electron microscopy (SEM), the size information and ge-
ometry of the MIP can be obtained. Different research papers report the use of SEM to
investigate MIP particles [17]. Therefore, SEM micrographs of the synthesized MIP and
NIP were taken at different resolutions, as shown in Figure 2. The SEM images of both
the MIP and NIP are not much different from each other. An overall assumption could
be made from the general morphological architecture of both the MIP and NIP images for
better general adsorption. The surface morphological appearance of all the SEM images is
in favor of good adsorption ability in general. The SEM images are not very informative
regarding the selective nature of MIPs, but they could be a good source for the general
adsorption point of view [18].
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Figure 2. SEM images at different resolutions of the MIP (a,b) and NIP (c,d).

3.2.2. Characterization of Polymer by FTIR

In fact, FTIR analysis can reveal a lot about the nature of the surface functional groups
that are formed on a polymer surface. The FTIR spectra of the MIP and NIPs within the
range of 4000–500 cm−1 are shown in Figure 3. Both the MIPs and NIPs were synthesized
from the same type of materials such as the template, monomer, initiator and cross linker;
therefore, the spectra of the MIPs and NIPs show similarity [19]. The peaks around
~3400 cm−1 and ~2900 cm−1 show the presence of OH and CH bending, respectively, while
the stretching at around~1700 cm−1 is due to the presence of C=O [20]. Therefore, the MIPs
show a clear bend of the ester group at 1720 cm−1 and 1256 cm−1 due to the carbonyl C=O
and C-O stretching. Additionally, the peaks at ~1400 cm−1 and ~1300 cm−1 are due to
the presence of -CH2, and -CH3, respectively, while the strong peaks at 1159 cm−1 and
1046 cm−1 are due to the presence of the C-O functional group [21]. The FT-IR analysis of
the MIPs and NIPs show that the MAA and EGDMA C=C double bond signal at 1637 cm−1

was absent, indicating that the polymer is successfully synthesized.

63



Molecules 2022, 27, 3276

(a) (b) 

Figure 3. FTIR spectra of (a) MIP (b) NIP.

3.2.3. Analysis by Brunauer–Emmett–Teller

The BET study determines the porosity and specific area of the selected BB3 molec-
ularly imprinted polymers. The MIPs showed a specific surface area of 245.321 (m2/g),
a pore volume of 0.078 (cc/g) and a pore radius of 14.492 (Å), while the NIPs have a
34.072 (m2/g), 0.0098 (cc/g) and 2.145 (Å) surface area, pore volume and pore radius,
respectively (Table 1). The surface area of the NIP is almost seven times smaller than that
of the MIP. The larger surface area of the MIP compared to the NIP indicates that specific
cavities are formed for the recognition of BB3. The porosity of a particle refers to the volume
ratio of the open pore to the total volume [22]. Previous research works show that the
greater adsorption capacity of MIPs compared to NIPs is due to the higher surface area of
MIPs as compared to NIPs. Additionally, MIPs have a higher total volume than NIPs due
to their greater load capacity [23]. The larger pores of the MIP show that the structure of
the NIP is more compact. The surface area and porosity of the MIP is mostly affected by
the template in polymerization, and the average diameter of the pores for the MIP and NIP
falls in the range of 2–50 nm, showing that both polymers are mesoporous [24]. A BET plot
of the MIP and BJH plots for the MIP and NIP is shown in Figure 4.

Table 1. BET analysis of MIP and NIP.

Polymers Specific Surface Area (m2/g) Pore Volume (cc/g) Pore Radius (Å)

MIP 245.321 0.078 14.492

NIP 34.072 0.0098 2.145

3.3. Effect of Adsorbent Dose and pH

For the optimization of BB3 dye adsorption, the dose of the MIP was used in the
range of (0.005–0.050 g) and 10 mL of 100 mg/L dye concentration. Figure 5 shows a linear
increase in the removal of dye with an increase in the weight of the MIP and NIP from
0.0025 to 0.025 g due to the fact that the number of active sites of MIP/NIP increased.
Further increase in the dose of MIP/NIP showed no effect on the uptake of the dye. The
mechanism of dye adsorption depends on the degree of interaction with the adsorbent
(MIP and NIP) surface and the protonation or deprotonation of dye, which may change
adsorption efficiency [25]. So, for further studies, 0.025 g of polymer was used, and the pH
of the test samples was varied in a range of 1–13, keeping the other parameters constant. It
was observed that, at low pH, the adsorption is small. The adsorption capacity increases
with increasing pH, and maximum adsorption was achieved at pH 11. So, this pH was
selected as an optimum pH and used for further studies. With the change in pH, the surface
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charge varies. At lower pH, the surface charge is positive, whereas at higher pH, it becomes
negative. Since the subject dye BB3 is a cationic dye, at higher pH, there will be strong
interaction between the negative surface charge and the cationic BB3 dye. Due to this
strong interaction, the optimum adsorption took place at pH 11. At higher pH, all sites
became covered with negative charge; therefore, no further adsorption of BB3 dye took
place. The results are shown in Figure 5.

 
(a) (b) 

 
(c) (d) 

 
(e) 

Figure 4. BET and BJH adsorption curves for MIP (a–c) and NIP (d,e).
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(a) (b) 

Figure 5. Removal efficiency of MIP/NIP for BB3 dye; (a) adsorbent dose (b) pH.

3.4. Contact Time Studies as a Function of Temperature

Chemical kinetics is necessary to obtain and to find information about the binding
mechanism and rate controlling process. The effect of contact time was examined as a
function of temperature. This experiment was achieved using a fixed amount of polymer,
25 mg, with 10 mL of 100 mg/L dye solution at the optimized condition of pH, while
varying the time from 1–35 min and the temperature from 283–313 K. The maximum dye
adsorption was observed at 25 min, and then it remained constant. With the increase in
temperature, a small change in the uptake of dye was observed, as shown in Figure 6.

 

Figure 6. Adsorption kinetics for BB3 dye adsorption on MIP. Mass of polymer 25 mg; V = 10 mL;
pH; 11; [BB3] = 100 mg/L.

3.5. Kinetic Models

To study the mechanism of dye adsorption on the adsorbent (MIP/NIP), we used
three kinetics models: pseudo-first order, pseudo-second order and the Weber and Morris
intraparticle diffusion model.
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3.5.1. Pseudo 1st t Order Kinetics

The pseudo-first kinetic model gives information about the rate of occupation of adsorp-
tion sites, which is proportional to unoccupied sites and is represented in Equation (2) [26].

log (qe − qt) = log qe − K1
t

2.303
(2)

The values of qt and qe are the amount of BB3 dye (mg g−1) adsorbed at time t (min)
and at equilibrium, respectively. K1 (min−1) is the pseudo-first order constant and is
calculated by plotting log (qe − qt) against “t”. The pseudo-first order kinetic model at
different temperatures (283 K, 298 K, 313 K) is shown in Figure 7, and different parameters
are given in Table 2. As the Qe (cal) and Qe (exp) do not match with each other, and
the values of correlation coefficient are less than 0.99, we came to the conclusion that the
adsorption of BB3 on MIP did not follow pseudo-first order kinetics.

  
(a) (b) 

 
(c) 

Figure 7. Different kinetic models for the adsorption of BB-3 on MIP; (a) pseudo-first order kinetic
(b) pseudo-second order kinetic (c) intra particle diffusion model.
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Table 2. Different kinetic models’ parameters for the adsorption of BB3 on MIP.

Parameter 283 K 298 K 313 K

Pseudo 1st order kinetic

K1 0.0794 0.0861 0.0951

Qe (cal) 17.068 14.197 11.287

Qe (exp) 48.049 49.528 49.996

R2 0.943 0.9832 0.9833

Pseudo 2nd second kinetic

K2 0.0079 0.0108 0.0146

Qe (cal) 50.761 51.813 51.54

Qe (exp) 48.049 49.528 49.996

R2 0.9953 0.9984 0.9991

Intraparticle diffusion

Kid (mg/g min −1/2) 3.09 2.61 2.05

C 30.54 35.12 38.72

R2 0.9843 0.999 0.9897

3.5.2. Pseudo 2nd Order Kinetic

The adsorption process can also be described by the pseudo-second order kinetic using
the following Equation (3) [27].

t
qt

=
1

k2 qe
2 +

t
qe

(3)

In the above equation, k2 (mg g−1 min−1) is the constant of the pseudo-second order,
which is calculated from the plot of t/qt versus “t”. For the adsorption of BB3 dye on
MIP, the pseudo-second order model was applied at different temperatures, as shown in
Figure 7, while the different parameters calculated from this plot are given in Table 2. The
R2 value for second-order kinetics is higher as compared to pseudo-first order kinetics, and
a close resemblance between the Qe (cal) and Qe (exp) was found. So, we can conclude
that the adsorption data of the pseudo second-order model are the best fit. These kinetic
results show that the adsorption of BB3 dye depends on adsorbents as well as adsorbates.

3.5.3. Intraparticle Diffusion Model

The kinetics data were also evaluated with the help of the intraparticle diffusion model
proposed by Morris and Weber, which is given in Equation (4) [28].

qt = kid t1/2 + C (4)

where C is the intercept which indicates the thickness of the boundary and kid is the rate
constant of intraparticle diffusion. According to this equation, a plot of qt versus t1/2 would
be linear if the adsorption follows the process of the intraparticle diffusion model. Figure 7
shows a linear plot of the intraparticle diffusion for the adsorption of BB-3 on MIP. Multi
linearity shows that the process of adsorption occurs in three steps. The first displays the
diffusion of dye to the external surface of the adsorbent from the solution. The diffusion of
the adsorbate from the external surface into the adsorbent pore is described by the second
step. The final step is the adsorption of the adsorbate (BB-3) on the internal surface of the
pore. However, at each temperature, the line fails to pass from the origin, which is due to
the variance in the rate of mass transfer of initial and final. Furthermore, such a straight-line
deviation from the origin reveals that the pore diffusion is not a sole rate control step [29].
Comparing the value of “C” and the rate constant indicates that the intraparticle diffusion
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is not the only rate limiting step. The adsorption of BB-3 on MIP is a complex phenomenon
and is controlled by the surface sorption and intraparticle diffusion.

3.6. Adsorption Isotherms

The equilibrium adsorption isotherm study was carried out with varying dye concen-
trations (25, 50, 100, 150, 200 mg/L) to determine the efficiency of the prepared polymer,
as shown in Figure 8. The figure shows that the isotherm rises abruptly at first, indicating
that there are plenty of readily available sites for adsorption. When the adsorbent (MIP)
becomes saturated after equilibration, a plateau is reached, indicating that no more sites
are accessible for further adsorption. The experiments were conducted at 283 K, 298 K and
313 K to better realize the effect of temperature on dye adsorption. When the adsorption
isotherms are compared, it is clear that adsorption increases as temperature rises, indicating
that the process is endothermic.

 

Figure 8. Adsorption isotherms of Basic Blue 3 dye adsorption on MIP adsorbent at different
temperatures.

The adsorption isotherm provides mechanism information of the adsorption process.
Adsorption isotherms are used to assign the adsorption system, as they reveal the mecha-
nism of adsorption. Generally, the Langmuir isotherm defines the monolayer formation
and the non-covalent behavior of MIP, as described by the Freundlich model [30]. Therefore,
the adsorption data were evaluated using the Langmuir and Freundlich isotherms.

3.6.1. Langmuir Model

The Langmuir model defines a uniform and homogenous surface of the adsorbate
that forms a monolayer. This model is based on a hypothesis: adsorption occurs at specific
homogeneous sites within the body of the adsorbent. There is no contact between the
adsorbed species and the adsorbent. The Langmuir model is described by Equation (5) [31].

Ce

Qe
=

1
KLQm

+
Ce

Qm
(5)

where Ce (mg·L−1) is the liquid phase equilibrium concentration of the dye, Qm (mg·g−1)
is the maximum adsorption capacity of the adsorbent, KL (L·mg−1) is the amount of dye
adsorbed, the energy or the net enthalpy of adsorption and Qe (mg·g−1) is the quantity
of dye adsorbed. The relationship between Ce/qe and Ce must be linear, with a slope of
1/qm and an intercept of 1/(qm KL). The values of KL, Qm and R2 obtained from the curve
are given in Table 3. The maximum adsorption capacities (Qmax) for MIP and NIP were
75.13 mg·g−1 and 7 mg·g−1, respectively. In Table 3, the Langmuir model provides an R2

value that best fits to the experimental value.
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Table 3. Different parameters of the Langmuir and Freundlich models for the adsorption of BB3
on MIP.

313 K 298 K 283 K Parameters

Langmuir isotherm model

91.743 83.33 78.125 Qm (mg·g−1)
0.1372 0.1872 0.1626 KL
0.9737 0.9837 0.9792 R2

Freundlich

15.33 13.63 12.96
Kf (mg·g−1) (L

mg·g−1)
0.4152 0.3439 0.5362 1/n
0.8211 0.8703 0.8801 R2

3.6.2. Freundlich Model

The Freundlich isotherm is used to determine the adsorption properties of multi-
layer and heterogeneous surfaces with unequal adsorption sites and unusually available
adsorption energies. The Freundlich isotherm model equation is given below [32].

ln qe = ln K f +
1
n

ln Ce (6)

where Ce (mg·L−1) is the liquid phase concentration at equilibrium, qe mg·g−1 is the adsorb
amount of dye, Kf (mg·g−1) is taken as a relative indicator of the adsorption capacity and
1/n is the heterogeneity factor of the surface, which shows the adsorption nature. The 1/n
value should be smaller than 1 for favorable adsorption, while for unfavorable adsorption,
the value is greater than 1 and shows weak bond adsorption [33]. The Freundlich model is
shown in Figure 9, and different parameters are given in Table 3.

(a) (b) 

Figure 9. Isotherm models (a) Langmuir (b) Freundlich.

3.7. Thermodynamic Study

Thermodynamic studies were undertaken to explore the adsorption mechanism feasi-
bility of dye (BB-3) onto the MIP. In this study, a very significant decision has to be ended
whether the process is spontaneous or not. Many thermodynamic parameters such as
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standard free energy (ΔG◦), enthalpy (ΔH◦) and entropy (ΔS◦) were calculated using the
following equation [34]:

log Kc =
ΔS◦

2.303R
− ΔH◦

2.303RT
(7)

ΔG◦ = ΔH◦ − TΔS◦ (8)

where T (K) is the absolute temperature, R (8.314 J·mol−1 K−1) is the universal gas constant
and Kc (L·g−1) is thermodynamic equilibrium constant described by qe/Ce. The values of
ΔS◦ and ΔH◦ were calculated from the intercept and the slope of a plot of log Kc versus
1/T. Different thermodynamic parameters were studied at the different temperatures given
in Table 4, and the Van’t Hoff plot is shown in Figure 10. At all temperatures, the value
of ΔG◦ was found to be negative, which shows that the adsorption of dye (BB-3) onto
the MIP is spontaneous [35]. By increasing the temperature, the value of ΔG◦ decreased,
which indicates that high temperature facilitates the adsorption of dye (BB3) on MIP. The
positive value of ΔH◦ specifies that this adsorption is endothermic, because increasing the
temperature leads the rate of adsorbate diffusion to also increase on the adsorbent (external
and internal surface). The positive value of ΔS◦ indicates that disorderedness increased
during adsorption (solution–solid interface) [36,37].

Table 4. Thermodynamic parameters for the removal of BB3 on MIP.

Temperature ΔG◦ KJ mol−1 ΔH◦ KJ mol−1 ΔS◦ J mol−1 K−1

283 K −2057

10.38 44.82298 K −2735

313 K −3595

 

Figure 10. Van’t Hoff plotting for MIP.

3.8. Selectivity Study

For the confirmation of selective cavities formation in a polymer, competitive adsorp-
tion analysis was carried out in the presence of those dyes which are similar as well different
in structure to the template Basic Blue 3 (BB-3), such as Basic Blue 41 (BB-41), Thioflavin T,
Methylene blue (MB) and Safranin, whose structures are shown in Figure 11. The MIP was
selective for the specific template (BB-3) as compared to the NIP. This study was performed
by adding 100 mg/L of BB-3 dye and the interfering dyes to each Erlenmeyer flask at
optimum conditions, and the mixture was stirred in a thermostat shaker at 125 rpm. At
predetermined times, the samples were removed and the absorbance was measured by the
UV-vis spectrophotometer. The amount of dye adsorbed on the polymer was calculated
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by substracting the final dye conentration from the initial dye added to a mixture. For
BB-3, the MIP is more selective at 96% as compared to other dyes whose adsorption was
between 5% and 41%. So, it confirms that the MIP cavities are selective only for the template
(BB-3) molecule.

 
Figure 11. Effect of different dyes, showing the selectivity behavior of the MIP towards the adsorption
of BB3 as compared to the NIP.

3.9. Imprinting Factor and Distribution Ratio

The imprinting factor describes the interaction and strength of the template molecule
(BB3) toward the polymer (MIP/NIP). It indicates the recognition properties of the MIP and
NIP toward specific analyte. The imprinting factor (IF) was calculated for the molecularly
imprinting polymer using Equation (9).

IF =
QMIP
QNIP

(9)

where QMIPs is the adsorption capacity of the MIPs for the dye (BB3) and QNIPs is the
adsorption capacity of the NIPs for BB3. While, for the determination of the distribution
ratio, the following equation was used.

Kd =
(Ci − Cf)

Cf m
V (10)

where Kd (L/g) is the distribution coeffecient, Ci is the initial dye concentration, Cf is the
final dye concentarion, V is the volume used and “m” is the mass of the polymer (MIP/NIP).
The different adsorption parameters estimated from various models are summurized in
Table 5.

Table 5. Different adsorption parameters for dyes by the polymer (MIP/NIP) at 283 K.

Dyes
% Removal

Adsorption
Capacity

Q (mg·g−1)

Distribution
Coefficient
Kd (L·g−1)

Imprinting
Factor

IF ∝=
QMIP
QNIP

Selectivity

S= IBB3

I interfering

MIP NIP MIP NIP MIP NIP

BB3 96 31 78.4 7.0 0.48 0.07 10.73 -

Safranin 25 29 5.34 6.4 0.3 0.27 0.83 6.18

MB 21 18 4.03 3.26 0.02 0.03 1.23 9.66

BB41 9.3 10 1.75 1.87 0.19 0.05 0.93 7.37

Thioflavin T 4.76 5.0 2.0 2.11 0.20 0.21 0.94 7.29
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3.10. Real Sample Application

This study was undertaken to determine the application of MIPs for the preconcentra-
tion of reactive dyes in water. Molecularly imprinting polymers (MIP) were taken as a solid
phase extracting material to evaluate their efficiency for the extraction of BB3 dye from
environmental samples. The samples were spiked with known amounts of dye concentra-
tion (100 mg/L) and subjected to the optimized extraction process. It was found that the
removal efficiency of dye (BB3) from the environmental samples was between 60–80%. The
extraction power of MIP seems to be affected in tap water and river water for the extraction
of BB3 dye. The dissolved organic and inorganic matter in the water samples played a
role in slightly reducing the selective efficiency of the MIPs. Moreover, MIPs offer high
selectivity towards reactive dyes, which is not present in expensive adsorbents such as
activated carbon, biological treatment, etc. The results of BB3 dye extraction from different
water samples are summarized in Table 6 whereas Table 7 summarizes the adsorption
capacities of different adsorbents for the mentioned dye.

Table 6. MIP efficiency for the removal of BB3 from different environmental samples.

Samples
Amount of BB3
Added (mg/L)

Amount of BB3
Found (mg/L)

%Recovery
±SD

Distilled water 100 96.2 96.2 ± 0.9

River water 100 61.1 31.1 ± 0.1

Tap water 100 82.09 32.09 ± 1.2

Table 7. Comparison of the adsorption capacities of different adsorbents to BB3 dye.

Adsorbents Adsorption Capacity (mg·g−1) Ref

Chitosan-based 166.5 [38]

Amberlite XAD 1180 66.5 [39]

Aleppo pine-tree sawdust 65.4 [40]

Pineapple stem 58.9 [41]

Durian husk 49.5 [42]

Acrylic resin 46.95 [43]

Peat 41.00 [44]

Risk Hull 13.41 [45]

MIP 75.125 Present study

4. Conclusions

The current study focuses on the use of synthesized polymers (MIP) for the removal of
a specific analyte (BB-3) from different water samples under optimized conditions. About
96.6% removal of BB-3 was achieved at 313 K, which indicates high selectivity toward the
specific analyte as compared to other dyes such as safranin, Basic Blue 41 (BB-41), Thioflavin
T (TT) and Methylene blue (MB), with 25%, 21%, 9.3% and 4.7%, respectively. Kinetic and
isotherm studies showed that the adsorption of BB-3 on the polymer followed second
order kinetics and the Langmuir model. The linear plot of qt vs. t1/2 in the intraparticle
model revealed the surface sorption and intraparticle diffusion. In a thermodynamic study,
the negative values of ΔG◦, ΔH◦ and ΔS◦ demonstrate that the spontaneity, endothermic
nature and disorder increased during the adsorption of BB-3 on the MIP, respectively. The
MIP proved to be a workable material for the extraction and concentration of BB3 from
effluent, as MIP can be easily removed from the media and recovered using centrifugation
methods, allowing it to be reused without considerable activity loss.
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Abstract: In 2017, the Swedish Environmental Protection Agency published a report on advanced
wastewater treatment for the removal of pharmaceutical residues and stated that advanced treatment
should be implemented where it will make the largest difference from an environmental perspective.
However, the report also concluded that this need cannot be specified with existing data, but
consideration must be made of local conditions. Two considerations are (1) the discharged amount
of pharmaceutical into receiving water bodies and (2) the turnover of water in the recipient, where
the highest risks are related to recipients with a low water turnover and low dilution. The current
project comprised eight different WWTPs distributed throughout the entire County Skåne (Scania) in
Sweden, with a population of ca. 1,300,000 persons. In total, 21 of 22 pharmaceuticals were analyzed
according to the list proposed by the Swedish Medical Products Agency 2015. The results show
that large amounts of pharmaceuticals are released from the WWTPs yearly to Scanian recipients.
The total discharge of pharmaceuticals from the eight treatment plants adds up to 71 kg of these
21 substances alone, mainly comprising metoprolol, which is a drug that lowers blood pressure, and
the analgesic drug diclofenac. Additionally, carbamazepine, losartan, naproxen and oxazepam were
present in significant concentrations. These represented three illnesses that are very common: high
blood pressure, inflammation/pain and depression/anxiety. The concentrations were generally in
line with previous national Swedish screenings. It was estimated that, when one million cubic meters
(1,000,000 m3) of wastewater is discharged, almost 4 kg of the 21 pharmaceuticals is released. The
total volume wastewater release by the >90 WWTPs in Scania was estimated to 152,887,000 m3, which
corresponded to 590 kg/year. The investigated 21 drugs cover only a small part of many hundred
pharmaceuticals that are in use in Sweden. Thus, most likely, one or several tons of pharmaceuticals
leak out to the Scanian recipients annually. The analysis of river samples shows that the dilution of
wastewater is a key parameter in reducing concentrations. However, some locations have remarkably
high concentrations, which occur when the volume wastewater is large in relation to the flow in the
river. These kinds of regional results are of importance when selecting where advanced treatment
should be prioritized in a first instance, as requested by the Swedish EPA.

Keywords: indicator pharmaceuticals; wastewater; surface water

1. Introduction

Pharmaceuticals in the environment (PIE) is an environmental topic that no longer
can be considered new within the field of environmental contamination and toxicology.
A well-known research paper with the title “Occurrence, fate and effects of pharmaceu-
tical substances in the environment-A review” was published by Halling-Sørensen and
coworkers more than 20 years ago and has today been cited over 4000 times [1]. Since
then, a massive number of scientific articles have been released on basically all imagin-
able aspects of PIE [2–14]. Despite the large research funding spent on PIE, there are still
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many unknowns, as the topic is very complex. Nevertheless, today there is an increasing
consensus among scientists that the present leakage of pharmaceuticals into the aquatic
environment from our existing wastewater treatment plants (WWTPs) is unsustainable.
It has been shown that some individual pharmaceuticals might be present in concentra-
tions downstream WWTPs that could have adverse effects on wildlife, such as fish and
birds [15–17]. Additionally, there is a concern that the overall effect of a large number of
compounds released from WWTPs, in what often is referred to as a cocktail of micropollu-
tants, may cause unwanted changes to receiving aquatic ecosystems [18,19]. Apart from
these negative reports on the release of micropollutants from WWTPs, there is a parallel
trend that this partly treated water could (and should) be seen as a future water resource,
but more research and development is required to assure a safe use [20–22]. This is driven
by a scarcity of water in many areas, as a consequence of increased water consumption by
societies, combined with higher temperatures and draught due to a changing climate.

From a Swedish perspective, the awareness of the constant leakage of micropollutants,
such as pharmaceuticals, to our recipients has been a topic of high public or political
concern only in the past decade. Unlimited access to high-quality water has also always
been nearly indisputable in Sweden, but after the summer of 2018, with extremely dry
and hot weather conditions [23], the need for water increased. Especially agriculture was
highlighted after historically low harvests. This justifies a better reuse of our limited water
resources. In Sweden, several projects related to PIE have been performed in the past
15 years. Summarizing all of these is not the scope of this work; however, looking at some
of the major funding made available during this period may be warranted, as it puts this
and coming Swedish investigations into a broader context. It also points towards a change
in how funding of PIE might (and possibly should) change from 2021 and onwards in order
to make an actual impact by reducing the regional pollutant load to our recipients. Between
200 and 2009, a large Swedish project named “Pharmaceuticals-Presence and effects in the
aquatic environment, preventive measures and possible treatment methods” was funded
by Miljömiljarden, City of Stockholm, with a budget of 1.4 million Euro (Figure 1).

 

Figure 1. Example of major research funding made available in Sweden for 2005–2020 in relation to
pharmaceuticals in the environment (PIE) and their removal from wastewater in WWTPs.
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The final report was published in 2010 and concluded that there is a need to remove
pharmaceuticals in Stockholm and that activated carbon or ozonation might be suitable
technologies [24]. In 2008, a very general project called “MistraPharma” was launched, a
project that, in the end, would receive a total of ~9.0 million Euros between 2008 and 2015
from the Swedish Foundation for Strategic Environmental Research (Figure 1). In its time,
“MistraPharma” was one of largest research programs in the world within the PIE field.
For 8 years, several research groups in Sweden tried to identify human pharmaceuticals
that might be of concern to various aquatic ecosystems. “MistraPharma” also proposed
risk management strategies, including better regulatory test requirements, as well as
improved technologies for wastewater treatment. In the end, this resulted in 130 scientific
papers, and, in 2016, the final report was published [25]. One of the main outcomes was
10 recommendations for improved environmental risk assessment [26]; however, some
research was also dedicated to wastewater treatment technologies. Mainly two technologies
showed to be promising: activated carbon and ozonation. As a logical continuation of
these projects, the Swedish Agency for Marine and Water Management (on behalf of the
Swedish Government) allocated ~3.0 million Euros to targeted projects that intended to
develop novel techniques for “Advanced treatment of wastewater” from drug residues and
other harmful compounds. The projects were operative between 2014 and 2017, mainly
investigating ozonation and, to some extent, activated carbon (Figure 1). Most projects
were headed by scientists, but the work was performed in collaboration with municipalities.
Consequently, focus was partly moved from being primarily scientific to being more
broadly connected to society by involving personnel at selected WWTPs. The final report
was published in 2018 [27] and (once again) showed that ozonation and activated carbon
were suitable to remove micropollutants and gave estimates of costs in doing so.

In parallel, the Swedish Government in December 2015 appointed the Swedish Envi-
ronmental Protection Agency to find out if it would be conceivable to implement advanced
treatment of wastewater to protect the aquatic environment from pharmaceuticals. This
included analyzing which technical solutions were available and the pros and cons of
these, as well as other effects that might occur if advanced treatment was introduced. The
results were presented in a final report in 2017 [28] and concluded that the emission of
pharmaceuticals can be reduced if Swedish WWTPs are equipped with more advanced
technologies (Figure 1). However, it was notable that the Swedish EPA clearly stated that
the Swedish society now must investigate where the technology should be introduced first,
but concluded that, with existing occurrence data, this is not possible to specify. Several
factors are important to make adequate prioritizations on where the needs are greatest, and
consideration must be taken of local conditions, such as the following:

• The amount of pharmaceutical residues that are discharged into the recipients;
• The recipient’s water turnover;
• The number of WWTPs that discharge to the same recipient;
• The recipient’s sensitivity;
• Variations over the year;
• Variations in discharged amounts from the WWTP.

This is especially important as the Swedish Government, via the Swedish EPA, recently
allocated a total of ~16.9 million Euros to fund different technological projects for “Treat-
ment of pharmaceutical residues” at various WWTPs. This time, scientists at universities
could be part of the projects but could not apply for the funding. Instead, the funding was
now intended for Swedish municipalities who wanted to investigate advanced treatment
technologies in a small or large scale on-site.

In order to harmonize the Swedish investigations, 22 pharmaceuticals were proposed
as indicators by the Swedish Medical Products Agency in 2015 [29]. These pharmaceuticals
should be analyzed and monitored in Swedish recipients. In our study, we utilized a
method capable of analyzing all of these compounds simultaneously [30,31]. The year
before, in 2014, the County Administrative Board of Scania released a document where
guidelines concerning pharmaceuticals residues in wastewater were presented [32]. The
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document states that samples should be taken in outlet wastewater from WWTPs that
are dimensioned for 200 PE or more, along with samples upstream and downstream the
WWTP in question. Up to now, no Swedish or county studies have been performed at
this large geographical resolution, as suggested by the County Administrative board of
Scania [32], and, at the same time, employing the Swedish Medical Products Agency’s
analytical protocol [29]. This paper attempts to start investigating where actions should be
taken at a regional level as requested by the Swedish Environmental Protection Agency [28],
as well as meeting the request from the Swedish Medical Products Agency [29] to estimate
the burden of these indicator pharmaceuticals. This is important, since actual figures on
burden will aid in the dialogue with politicians and stakeholder at local WWTPs as to
why and where action should be taken to reduce the pharmaceutical release from Scanian
WWTPs to the aquatic environment.

2. Results and Discussion

2.1. Wastewater Treatment Plants (WWTPs)

The eight WWTPs were distributed over the entire County Scania (Figure 2a), and the
annual volumes of treated wastewater differed largely, as seen in Supplementary Materials,
Table S1a. The extent of variation ranged from 77,000 m3 in the tiniest WWTP in Gärds
Köpinge to 8,000,000 m3 at Kristianstad WWTP. The relative size of the eight WWTPs,
using the annual volume of treated wastewater as a base and thereafter attributing Gärds
Köpinge WWTP a value of 1, showed that the WWTPs varied by a factor more than 100, as
seen in Figure 2b.

Figure 2. Eight investigated WWTPs. (a) Geographical spread of the WWTPs in Scania, Sweden.
Gray arrows indicate that the WWTP discharges directly into the sea. (b) Relative size of the WWTPs
based on annual volumes of treated wastewater attributing Gärds Köpinge WWTP a value of 1
(corresponding to approximately 77,000 m3 treated water/year).

The water flow expressed as an average in m3/h varied by a factor of 109 from Gärds
Köpinge WWTP, at 8.75 m3/h, to Kristianstad WWTP, at 958 m3/h. The PE differed from 425
to 118,300 PE, corresponding to a factor of 278. Kristianstad WWTP and Simrishamn WWTP
stood out, as they contain a large proportion industrial water. Consequently, the included
WWTPs represented very different types of wastewater treatment plants. Complementary
information about the treatment techniques applied in the different WWTPs can be found
in Supplementary Materials, Table S1b, which is based on the information provided by the
participants in the questionnaires.
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2.2. Results of Pharmaceutical Analyses
2.2.1. Chemical Emissions of Pharmaceuticals as Concentrations (ng/L)

The recipients’ chemical loads, expressed as outlet concentrations of pharmaceuticals,
from all eight WWTPs are presented in Supplementary Materials, Table S2. From these
data, the average emission concentration from the eight Scanian WWTPs of each specific
pharmaceutical was calculated in order to get an overview of which substances that had
the highest concentrations in Scanian wastewater in general, as seen in Figure 3.

 

Figure 3. Average concentrations (ng/L) of the 21 analyzed pharmaceuticals in outlet water from
8 Scanian WWTPs (see Supplementary Materials Table S2). Antibiotics are marked in orange, except
for ciprofloxacin, which was not found in measurable concentrations.

Based on this information, the compounds are discussed below in groups based in
outlet concentrations.

Metoprolol, Diclofenac, Carbamazepine, Losartan, Naproxen, Oxazepam and Ibuprofen

These compounds comprise several types of pharmaceuticals, representing three
general and common illnesses: (1) high blood pressure, (2) inflammation/pain and (3) de-
pression/anxiety. The two top pharmaceuticals were metoprolol and diclofenac, occurring
at average concentrations between 500 and 1000 ng/L, followed by five pharmaceuticals
(carbamazepine, losartan, naproxen, oxazepam and ibuprofen) occurring between 250 and
499 ng/L.

Metoprolol is a ß-blocker used against high blood pressure and is well-known to be
recalcitrant during conventional wastewater treatment [33]. Metoprolol had the highest
average concentration of all substances at 946 ng/L (1 μg/L). The variation among the
WWTPs was small. The lowest concentration was observed in Gärds Köpinge, at 692 ng/L,
while Svedala had the highest value, at 1430 ng/L. The concentrations are close to those
measured in earlier Swedish studies. In 2010, Stockholm Vatten showed that Henriksdal
WWTP had an outlet concentration of 1161 ng/L (RSD = 53%), whereas Bromma WWTP
had 1320 ng/L (RSD = 68%) [24]. Several WWTPs were also tested in a Swedish National
Screening Programme in 2011 (National Screening), where outlet concentrations from
WWTPs at the four cities, i.e., Skövde, Stockholm, Uppsala and Umeå, were reported [34].
A comparison of metoprolol between the eight Scanian WWTPs and theses four cities is
shown in Figure 4a.
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Figure 4. Measured concentrations (ng/L) of (a) metoprolol and (b) diclofenac in outlet water from
the 8 Scanian WWTPs and in the Swedish National Screening Programme (Report 2011) for the cities
Skövde, Stockholm, Uppsala and Umeå. The WWTPs in these 4 cities were analyzed three times each,
as indicated by 1, 2 and 3. The 8 Scanian WWTPs are shown in green bars.

The concentrations in the Scanian WWTPs are on a par or somewhat below the results
from the National Screening. It should be noted that no Scanian WWTPs were included in
either Stockholm Vatten [24] or in National Screening [34], thus highlighting the need for
a regional assessment of the pharmaceutical load in this highly populated Swedish area.
Metoprolol was also recently identified at up to 10 ng/L in the large Swedish lake Mälaren,
showing that this compound is present in the Swedish aquatic environment [35].

Diclofenac is a NSAID belonging to a group of anti-inflammatory drugs and has shown
to be semi-persistent in the Swedish environment [36]. Swedish researchers recently demon-
strated that, when three-spine stickleback (Gasterosteus aculeatus) was exposed to even low
μg/L concentrations of diclofenac, it caused histological changes, and the researchers ex-
pressed concern about fish populations exposed to treated sewage effluents [37]. Diclofenac
was recently also highlighted by the Swedish Medical Products Agency for being so heavily
used and easily accessible in Sweden [38]. The total Swedish sales amounted to 4.5 tons,
with 2.6 tons OTC and 1.9 tons on prescription. In Scania, more than 600 kg were sold,
with 50% OTC. In our study, diclofenac presented the second highest concentration with
an average concentration of 680 ng/L (0.7 μg/L) and a small variation between WWTPs.
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The lowest concentration was observed at Ormanäs, at 442 ng/L, while the highest concen-
tration was observed at Svedala, at 1117 ng/L. Stockholm Vatten reported that the outlet
concentration in the Henriksdal WWTP was 288 ng/L (RSD = 36%), while, in the Bromma
WWTP, it was 257 ng/L (RSD = 32%) [24]. When comparing with the National Screen-
ing [34] (Figure 4b) pronounced similarities in concentrations are observed. In an EU-wide
monitoring covering 90 WWTPs (EU Monitoring) [39], the detection frequency was 89%,
the maximum concentration 174 ng/L and the average concentration 49 ng/L. These are
somewhat lower concentrations; however, the authors commented that their diclofenac con-
centrations might be underestimated. The concentrations of metoprolol and diclofenac in
the eight Scanian WWTPs are compared in Supplementary Materials, Figure S1: Figure S1a
shows the similarities in measured concentrations in outlet wastewater, while Figure S1b
shows that the size of the WWTP has no influence on the outlet concentrations. Diclofenac
was also recently quantified in Swedish lake Mälaren at 3.5 ng/L [35].

Carbamazepine is administered to treat epilepsy and alcohol abstinence and has a
well-known persistence in water [40]. Carbamazepine occurred in all WWTPs between
139 ng/L (Gärds Köpinge) and 699 ng/L (Svedala), with an average concentration of
444 ng/L. Stockholm Vatten reported a concentration of 373 ng/L (RSD = 32%) at Henriks-
dal and 305 ng/L at Bromma (RSD = 35%) [24]. The concentrations in the four cities in
National Screening [34] varied between 460 and 1100 ng/L, while the EU Monitoring had a
detection frequency of 90%, a maximum concentration 4609 ng/L and a somewhat higher
average concentration of 832 ng/L [39]. Concentrations in Scania are in line with previous
Swedish screenings, but somewhat lower than the average concentration in Europe. In a
recent Swedish study covering the entire Baltic Sea, carbamazepine was identified with
a frequency of >90% in 43 samples, as a consequence of extensive usage, low removal in
WWTPs and environmental persistence [41]. The low detection limits, in combination with
its persistence, have made carbamazepine a good indicator of wastewater intrusion in
natural waters [42]. The environmental concentrations in Swedish lake Mälaren reached as
high as 20 ng/L [35].

Losartan is a blood-pressure-lowering medicine. Recently, researchers observed effects
on the brown mussel (Perna perna), even at ng/L levels, and suggested it as a suitable marine
model in environmental assessments [43]. The average concentration in Scanian WWTPs
was 424 ng/L, with a relatively high variation; Ormanäs had the lowest concentration,
at 83 ng/L; and Svedala had the highest, at 921 ng/L. The concentration at Henriksdal
was 204 ng/L (RSD = 48%), and at Bromma, it was 187 ng/L (RSD = 48%), according to
Stockholm Vatten [24]. Losartan was neither analyzed in the National Screening [34] nor in
EU Monitoring [39], but the concentrations in Scania are within a factor of two compared
to Stockholm Vatten [24]. Losartan was quantified at 5 ng/L in lake Mälaren revealing its
environmental occurrence [35].

Naproxen is an anti-inflammatory NSAID pharmaceutical. Swedish researchers re-
cently pointed out that naproxen and diclofenac produce highly similar toxic effects in
fish, but based on new experiments, they showed that the environmental hazards and
risks are lower for naproxen [44]. Hence, they stated that substitution would be advisable
when naproxen presents an adequate alternative from a clinical point-of-view. The Scanian
WWTPs had an average concentration of 414 ng/L. The concentrations vary in a way
that resembles losartan with the lowest concentration of 119 ng/L at Kristianstad and
the highest of 1430 ng/L at Sankt Olof. The concentration in Sankt Olof is much higher
than in the other WWTPs, considering that the Simrishamn has the second highest value
of only 379 ng/L. Excluding Sankt Olof reduces the average concentration to 269 ng/L.
Sankt Olof is one of the smallest WWTPs, and an explanation for the high value could be
a high consumption of naproxen in this small population during this explicit sampling
event, causing extraordinary concentrations this day. The concentration at Henriksdal
was 476 ng/L (RSD = 84%), and at Bromma, it was 565 ng/L (RSD = 46%), as shown by
Stockholm Vatten [24]. The concentrations of naproxen in the four cities investigated in
National Screening [34] ranged between 26 and 490 ng/L. The EU Monitoring reported
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a detection frequency of 66%, while maximum and average concentration were 958 and
27 ng/L, respectively [39]. Just as for diclofenac, this might be an underestimate. In general,
the concentrations in Scania were close to previous Swedish studies.

Oxazepam is a benzodiazepine administered to treat anxiety and depression. It is clas-
sified as a narcotic and is well-known for its observed effects on perch (Perca fluviatilis) [16]
and common roach (Rutilus rutilus) [45], as Swedish researchers demonstrated behavior
changes in these fish species when exposed to low μg/L levels. The average concentration
was 352 ng/L, with a low in Gärds Köpinge of 95 ng/L and a high in Kristianstad of
475 ng/L. Gärds Köpinge stands out with a 3–4 times lower concentration. Stockholm
Vatten reported concentrations at Henriksdal of 324 ng/L (RSD = 49%), and at Bromma
of 190 ng/L (RSD = 31%) [24]. A comparison between the four cities in National Screen-
ing [34] and the eight Scanian WWTPs is shown in Supplementary Materials, Figure S2.
The average concentration of these four cities was 463 ng/L, which agrees well with Scania.
The detection frequency in the EU Monitoring was 90% and a maximum concentration of
1766 ng/L [39]. The average concentration was lower (162 ng/L), but within a factor of
two compared to Scania. Thirteen benzodiazepines were monitored in a study including
30 European rivers [46]. In the study, oxazepam had the highest detection frequency (85%),
with a maximum concentration of 61 ng/L, showing widespread environmental occurrence.
The Swedish lake Mälaren also contained oxazepam up to 5 ng/L [35].

Ibuprofen is a third NSAID drug (similar to diclofenac and naproxen) and is available
as an OTC pharmaceutical with a widespread use. The average concentration was 262 ng/L;
however, the differences in observed concentrations were very large. At Gärds Köpinge,
Höganäs and Kristianstad WWTPs ibuprofen could not be detected. In contrast, at Ormanäs
the observed concentration exceeded 1 μg/L (1158 ng/L). Stockholm Vatten found a
concentration of 42 ng/L (RSD = 136%) at Henriksdal and 80 ng/L (RSD = 108%) at
Bromma [24]. The ibuprofen concentrations varied largely in National Screening [34] just as
they did in the Scanian WWTPs, with concentrations from 42 to 990 ng/L in the four cities.
The EU Monitoring showed a detection frequency of 57%, with maximum and average
concentrations of 2129 and 81 ng/L, respectively [39]. This is comparable to Scanian
observations, where both frequency and concentration vary largely between WWTPs.

Seasonal Variation in Concentrations of the Top Six Pharmaceuticals at Kristianstad WWTP

To investigate how pharmaceutical concentrations vary over time and disclose the
representativeness of the selected sampling period (April), a study was conducted at Kris-
tianstad WWTP. Samples were taken at 13 occasion to cover all four seasons. The top six
pharmaceuticals, which all occurred in all WWTPs (Supplementary Materials, Table S2),
were analyzed in these samples. The results are seen in Supplementary Materials, Table
S3, while the seasonal variation is shown in Figure 5 for metoprolol and diclofenac. This
shows a tendency towards highest concentrations in December/January and a slight drop
in June/July to then increase again. Similar results were observed for all six pharmaceu-
ticals (Supplementary Materials, Figure S3). Notably, metoprolol had an average annual
concentration of 638 ng/L (n = 13; Supplementary Materials, Table S3), which is close to
the concentration of metoprolol at Kristianstad WWTP, with a value of 714 ng/L (n = 1; see
Supplementary Materials, Table S2). The month of April thereby seems to mirror the annual
average concentration for Kristianstad WWTP reasonably well. The similarities seen for
metoprolol between the month of April (n = 1) and the entire season 2016/2017 (n = 13),
were also observed for diclofenac (746 vs. 655 ng/L), carbamazepine (470 vs. 441 ng/L),
losartan (217 vs. 219 ng/L), naproxen (119 vs. 173 ng/L) and oxazepam (475 vs. 499 ng/L).
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Figure 5. Measured concentrations (ng/L) of metoprolol and diclofenac in outlet water from Kris-
tianstad WWTP during the season 2016/2017 (n = 13).

Antibiotics

Five antibiotics were analyzed: ciprofloxacin, clarithromycin, erythromycin, sul-
famethoxazole and trimethoprim (Supplementary Materials, Table S2 and Figure 3).

Ciprofloxacin is an antibiotic (broad-spectrum) used to treat bacterial infections of
various types. Ciprofloxacin is known to adsorb to the sludge phase [47], and this probably
explains why it was not detected in any wastewater outlets. In previous Swedish studies,
ciprofloxacin has been quantified in sludge up to a few thousand μg/kg [47,48]. Stock-
holm Vatten [24] reported low concentrations of 20 ng/L (RSD = 50%) at Henriksdal and
40 ng/L (RSD = 44%) at Bromma. The concentrations in the for the four cities in National
Screening [34] ranged from 0 up to 65 ng/L. In the EU Monitoring [39], the detection fre-
quency was 90% and the maximum concentration found was 264 ng/L, while the average
concentration was 96 ng/L. In the most recent Swedish study [47] covering 11 WWTPs,
the detection frequency in treated effluent water was 27% with maximum and average
concentrations of 62 and 38 ng/L, respectively. This is similar to a previous Swedish
study including five WWTPs, where the outlet concentration varied between <LOQ and
60 ng/L [49]. Overall, the reported ciprofloxacin outlet concentrations in Swedish WWTPs
are below 70 ng/L.

Clarithromycin and erythromycin are both macrolides with a chemical structure that
is very similar. Both are administered to treat bacterial infections. Clarithromycin concen-
trations ranged from <LOQ to 213 ng/L and erythromycin from 1 to 640 ng/L. Stockholm
Vatten [24] did not analyze clarithromycin, while the concentration of erythromycin was
236 ng/L (RSD = 67%) which can be compared to the Scanian average concentration of
151 ng/L. Noteworthy is that in the two smallest WWTPs Gärds Köpinge and Sankt Olof,
erythromycin was only found in low concentrations of <3 ng/L which is discussed in
detail below. By removing Gärds Köpinge and Sankt Olof from the average calculation, a
new average of 200 ng/L is obtained for Scania, which is close to Stockholm Vatten [24].
In National Screening [34], clarithromycin varied in the range of <LOQ–780 ng/L, and
erythromycin varied between 53 and 530 ng/L. Both were close to the Scanian WWTPs,
but the range was broader. In the Swedish study including 11 WWTPs, the detection
frequencies were 61% and 88% for clarithromycin and erythromycin, respectively [47].
Clarithromycin had maximum and average concentrations of 86 and 36 ng/L, respectively,
while corresponding concentrations for erythromycin were 350 and 129 ng/L, which is in
line with this study. None of the macrolides was analyzed in the EU Monitoring [39].

Sulfamethoxazole and Trimethoprim are used in combination. The ratio of SMX/TMP
in raw wastewaters has been suggested as a marker of wastewater origin where hospital
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effluents and WWTP influents show similar SMX/TMP footprints, while livestock effluents
exhibit higher SMX/TMP ratios, due to usage of SMX alone in farming [50]. Recently
researchers investigated the ecotoxic effects of sulfamethoxazole–diclofenac in a binary
mixture to bacteria (A. fischeri), crustaceans (D. magna) and vascular plants (L. minor) [51].
Sulfamethoxazole alone showed low toxicity with low environmental risk, while diclofenac
revealed moderate toxicity with a high risk to aquatic organisms. However, the mixture
demonstrated the highest toxicity to the exposed model organisms. Nevertheless, when
studying the toxicity of synthetic wastewater, no increase in toxicity was seen for wastewa-
ter spiked with sulfamethoxazole and diclofenac. Consequently, complex interactions likely
occur between matrix components in environmental samples, thus affecting the wastew-
ater toxicities that are observed. The concentrations in the eight Scanian WWTPs varied
from a few to 281 ng/L, with average concentrations of 134 ng/L for sulfamethoxazole
and 52 ng/L for trimethoprim. Both compounds were detected at Henriksdal at 60 ng/L
(RSD = 67%) and 35 ng/L (RSD = 45%), and at Bromma with concentrations of 52 ng/L
(RSD = 54%) and 186 ng/L (RSD = 29%), respectively, by Stockholm Vatten [24]. National
Screening [34] quantified sulfamethoxazole between 30 and 290 ng/L and trimethoprim
between 60 and 510 ng/L. Pharmaceutical emissions from Scanian WWTPs are similar to
Stockholm Vatten [24] but lower than National Screening [34]. The outlet concentration
of sulfamethoxazole and trimethoprim in five Swedish WWTPs ranged between <LOQ
and 304 ng/L and between 66 and 1340 ng/L, respectively [49]. In the EU Monitoring,
two different results were reported for sulfamethoxazole [39]: (I) detection frequency of
83% with maximum and average concentrations of 1691 and 280 ng/L, respectively; and
(II) detection frequency of 81% with maximum and average concentrations of 1147 and
142 ng/L, respectively. For trimethoprim the detection frequency was 93%, with a max-
imum concentration of 800 ng/L and an average concentration of 229 ng/L. In general,
these concentrations were higher than those reported in Scania.

Antibiotics and size of WWTP: The analyzed antibiotics did not show any obvious
relation between concentrations and size of WWTP. However, a concrete difference was
observed between the two WWTPs in Gärds Köpinge and Sankt Olof (the smallest WWTPs)
and the six other WWTPs (Figure 6).

Figure 6. Measured outlet water concentrations (ng/L) of the five antibiotics, namely ciprofloxacin,
clarithromycin, erythromycin, sulfamethoxazole and trimethoprim, in the 8 Scanian WWTPs.

These two WWTPs are a factor 5–30 smaller compared to the three in order (Figure 2b),
and the number of PE is only 425 in Gärds Köpinge and 600 in Sankt Olof. This can
possibly be explained by antibiotics not being consumed as regularly as, for example, heart
medication. Instead, these antibiotics are taken as specific courses of treatment for a limited
time. Small WWTPs seldom have enough parallel antibiotic treatments to allow detection.
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Tramadol, Citalopram, Fluconazole and Sertraline

The four pharmaceuticals, i.e., tramadol, citalopram, fluconazole and sertraline, had
average concentrations in the range of 24–147 ng/L for the eight Scanian WWTPs (Figure 3
and Supplementary Materials, Table S2).

Tramadol is an opioid and classed as a narcotic in Sweden. Tramadol has previously
been investigated in 33 Swedish WWTPs’ influent wastewater, together with 23 other
illicit drugs [52]. Tramadol was detected in 100% of the samples, showing prevalent
usage. In Scanian WWTPs, the concentrations were between 81 and 208 ng/L, with
an average concentration of 147 ng/L. This differs from Henriksdal and Bromma, with
concentrations of 571 ng/L (RSD = 49%) and 474 ng/L (RSD = 50%), respectively, Stockholm
Vatten [24]. Even higher concentrations were observed in National Screening between 730
and 3000 ng/L [34]. It is noteworthy that tramadol showed one of the largest measurement
uncertainties among five laboratories in a recent inter-calibration exercise that was headed
by us on assignment of the Swedish Agency for Marine and Water Management [53]. This
might explain part of this large variation. The EU Monitoring [39] reported a detection
frequency of 100% with maximum and average concentrations of 1166 and 256 ng/L,
respectively. Finally, tramadol was present in lake Mälaren up to 18 ng/L, showing
occurrences also in Swedish aquatic ecosystems [35].

Citalopram is an antidepressant of the SSRI type. Swedish researchers have shown
partially inhibited feeding [54] and long-lasting behavioral effects after exposure during
development of three-spine stickleback (Gasterosteus aculeatus) to relevant environmental
concentrations [55]. The Scanian WWTPs had concentrations between 80 and 217 ng/L,
with an average concentration of 128 ng/L. This was close to data from Stockholm Vatten
for Henriksdal and Bromma WWTPs, with concentrations of 196 ng/L (RSD = 44%) and
140 ng/L (RSD = 56%), respectively [24]. Slightly higher concentrations were found in
National Screening [34] ranging between 170 and 480 ng/L. In the EU Monitoring, the
detection frequency was 83%, maximum reported concentration 189 ng/L and average
concentration 34 ng/L [39]. Overall, the Scanian concentrations were on par with previously
reported concentrations. The highest concentration quantified in Swedish lake Mälaren
was 4.1 ng/L [35].

Fluconazole is an antifungal medication, and the concentrations varied between 3 and
105 ng/L, with an average concentration of 48 ng/L. An analysis of fluconazole was not
performed by Stockholm Vatten [24]. National Screening, however, reported much higher
concentrations ranging from 72 to 1100 ng/L [34]. What might cause this large difference
is not known. The effluents from 11 Swedish WWTPs showed a detection frequency of
97% with maximum and average concentrations of 170 and 60 ng/L, respectively [47]
which is very close to our findings. Previous Swedish studies of five WWTPs had sim-
ilar concentrations ranging between <LOQ and 140 ng/L [56]. The EU Monitoring [39]
had a detection frequency of 98% and maximum and average concentrations of 598 and
108 ng/L, respectively, which is somewhere between the Scanian values and the National
Screening values.

Sertraline is also an SSRI-type antidepressant, as citalopram above. Swedish re-
searchers have studied the behavior of freshwater snails (Radix balthica) exposed to the
pharmaceutical, observing a general lack of effects on the snail’s activity [57]. In contrast,
the same researchers found that the fish species Eurasian perch (Perca fluviatilis) presented
an exposure-dependent decrease in feeding habits with increasing sertraline concentrations
at a μg/L level [58]. The concentrations in the Scanian WWTPs varied in the interval
4–47 ng/L. The average concentration of 24 ng/L was similar to Henriksdal and Bromma,
with concentrations of 26 ng/L (RSD = 59%) and 21 ng/L (RSD = 72%), respectively, Stock-
holm Vatten [24]. In National Screening [34], concentrations were between 0 and 32 ng/L,
while in the EU Monitoring [39] the reported maximum and average concentrations were
38 and 2 ng/L, respectively, but with a detection frequency of only 12%. The sertraline
concentrations in Scania are close to those observed in other studies. Sertraline could not
be identified in lake Mälaren, Sweden [35].
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Hormones

Two hormones were analyzed, namely estrone (a natural hormone) and levonorgestrel
(a synthetic hormone), as shown in Figure 3 and Supplementary Materials, Table S2.

Estrone and other estrogenic substances in WWTP effluents have since long been
known to induce estrogenic effects in fish [59]. In Scania, estrone occurred in low con-
centrations in outlet wastewater between 1 and 18 ng/L, except for Ormanäs WWTP, at
63 ng/L. The average concentration, with and without the Ormanäs value, was 13 and
6 ng/L, respectively. This is similar to Stockholm Vatten [24], where estrone analyses were
performed as discrete “special analyses” and found concentrations of 4.2 ng/L (RSD = 89%)
and 0.5 ng/L (RSD = 46%) at Henriksdal and Bromma, respectively. Estrone was not
included in the National Screening [34], while in the EU Monitoring [39] it was analyzed
by a multi-compound hormone screening method. However, no hormones were detected
in any of the samples above the LOQ of 10 ng/L.

Levonorgestrel has been investigated by Swedish researchers and shown to disrupts
the seasonal breeding cycle in male three-spine stickleback (Gasterosteus aculeatus) at ng/L
levels [60]. Levonorgestrel could not be detected in any Scanian wastewaters, while
Stockholm Vatten [24] did not analyze it. No levonorgestrel could be quantified in the water
samples in National Screening [34], while it was not included in the EU Monitoring [39].

Ketoconazole, Zolpidem and Methotrexate

These pharmaceuticals are all present in low concentrations (Figure 3 and Supplemen-
tary Materials, Table S2).

Ketoconazole is an antifungal compound not quantified in any of the Scanian WWTPs.
Stockholm Vatten [24] found 8 ng/L (RSD = 77%) at Henriksdal and 9 ng/L (RSD = 81%)
at Bromma WWTP. In National Screening [34], it was only be found in one of 12 samples,
but with the remarkably high concentration of 120 ng/L. In the 11 Swedish WWTPs
investigated, very high levels of ketoconazole were found in sludge, with an average
concentration of 2835 ng/g dry weight and a detection frequency of 85%. Consequently, it
binds to sludge [47]. In the same study, the effluent sample had maximum and average
concentrations of 41 and 36 ng/L, respectively, which is slightly higher than previous
Swedish studies. Ketoconazole was also recently quantified by us in sludge, showing
concentrations as high as 3009 ng/kg [48]. Ketoconazole was not analyzed in the EU
Monitoring [39].

Zolpidem is administered for difficulties with sleeping. The average concentration
was 3 ng/L, ranging from 1 to 4 ng/L. The concentrations at Henriksdal and Bromma were
5.1 ng/L (RSD = 46%) and 4.8 ng/L (RSD = 55%), respectively, according to Stockholm
Vatten [24]. In National Screening [34], zolpidem concentrations varied between 3 and
41 ng/L. In the EU Monitoring [39], it had a detection frequency of 58%, with maximum
and average concentrations of 43 and 1.5 ng/L, respectively, which is relatively close to the
Swedish studies.

Methotrexate is used against rheumatic and inflammatory diseases, and in cancer treat-
ment. It was not detected in any of the Scanian WWTP outlet water samples. No analysis of
methotrexate was performed in the two previous Swedish studies by Stockholm Vatten [24]
and National Screening [34]. It was not analyzed in the EU Monitoring, either [39].

2.2.2. Chemical Emissions of Pharmaceuticals from Eight WWTPs in Kilograms

The basic parameters of the WWTPs comprised the annual volume of treated wastew-
ater (Supplementary Materials, Table S1a). By multiplying this volume with the outlet
concentrations of each pharmaceutical at each WWTP (Supplementary Materials, Table S2),
an estimate of the annually emitted amounts of pharmaceuticals in grams could be calcu-
lated (Supplementary Materials, Table S4). Thereafter the pharmaceutical emissions from
each WWTP in kilograms could be estimated. The results are seen in Figure 7a.
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Figure 7. (a) Total emission in kg/year of the 21 pharmaceuticals in the 8 Scanian WWTPs. (b) Re-
lationship between the emitted amount of pharmaceuticals as the sum of 21 pharmaceuticals in
kg/year (y-axis) and the treated wastewater volume in thousands of cubic meters per year. In both
panels, the order of the WWTPs is based on size according to Figure 2b.

The emissions from the eight WWTPs added up to a total of 71,409 which equals ca.
71 kg. These 71 kg only includes those 21 pharmaceuticals analysed. The smallest WWTP
in Gärds Köpinge released only 0.2 kg while the largest WWTP in Kristianstads released as
much as 30 kg. By relating the released amount of drugs per year (kg/year) to the treated
volume of water in thousands of cubic meters (m3) the relationship between the volume
wastewater and the emitted amount of pharmaceuticals could be estimated (Figure 7b).
From this, it could be seen that, when a WWTP in Scania releases 1 million cubic meter
(1,000,000 m3) of treated wastewater, roughly 3.76 kg ≈ 4 kg of the 21 pharmaceuticals
passes through into the recipient simultaneously.

2.3. Estimate of Total Pharmaceutical Emissions in All of Scania Based on Open Data of Amount
Treated Wastewater from Scanian WWTP Operators

Scania has 33 municipalities and a population of 1,322,193 persons (as of 2016) [61].
The WWTP operators most often release data on the total volume of treated wastewater.
As part of this study, a large effort was put forth to identify as many of these data as
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possible to estimate the total amount of treated wastewater in Scania. An overview of the
92 identified WWTPs and their yearly volume of treated wastewater is shown in Figure 8,
where the great diversity in size of WWTPs becomes clear. The figure also shows that the
eight WWTPs in this study (marked in green) covers this diversity. Not all data could be
identified for all 92 WWTPs, and, in such cases, the volume of wastewater was estimated
(as discussed below). These WWTPs were, however, few (marked in gray in Figure 8). In
some cases, several WWTPs were reported as a sum of treated wastewater (indicated to
the right of Figure 8 in light red). Summing all reported volumes gave a total volume of
152,887 thousand m3 of wastewater. This can be compared to the total treated volume of
wastewater in Sweden, which, in 2016, was 1,078,652 thousand m3. Consequently, Scania
has ca. 14.2% of the wastewater in Sweden. This is realistic, considering that the population
of Scania was 1,322,193 persons in 2016, compared to Sweden’s total population of 9,995,153
the same year [61], corresponding to 13.2% of the total Swedish population. The population
of Scania is not evenly distributed, and especially the western side of Scania has several
larger cities. In Southern and Eastern Scania, the size of the population is slightly lower
with a few small- and medium-sized cities. The identified treated wastewater volumes were
grouped into six different geographical regions: Northwest, Southwest, South, Southeast,
Northeast and Central Scania.
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2.3.1. Northwestern Scania

Nordvästra Skånes Vatten och Avlopp AB (NSVA) is the organization that treats a
majority of the wastewater in this area in six municipalities: Bjuv, Båstad, Helsingborg,
Landskrona, Svalöv and Åstorp. In total, 10 WWTPs are operated with differing size,
according to the available environmental reports (Supplementary Materials, Table S5). The
total volume is 33,710,670 m3, resulting in 126.8 kg. Additionally, Höganäs Municipality
and its WWTP releases 11.7 kg according to our study, while the Klippan Municipality
WWTP discharges 5.6 kg. The WWTP in Ängelholm Municipality treats around 11,000 m3

of wastewater/day, according to their information, corresponding to 4,015,000 m3 wastewa-
ter/year resulting in 15.1 kg. The total emission is estimated to be as follows (Equation (1)):

126.8 + 11.7 + 5.6 + 15.1 = 159.2 kg ≈ 160 kg/year (1)

2.3.2. Southwestern Scania

The largest organization in this part is VA SYD AB, which, all together, treats wastew-
ater from more than 500,000 people. One of Sweden’s largest WWTPs is Sjölundaverket,
which treats wastewater from the City of Malmö and Burlöv, Lomma, Staffanstorp and
Svedala Municipalities. Klagshamn WWTP receives wastewater from some areas of Malmö
City and Vellinge Municipality. Additionally, VA SYD operates several other WWTPs as
seen in Supplementary Materials Table S5, with a total volume of 68,694,617 m3 resulting
in 258.3 kg. For Borgeby WWTP in Lomma Municipality the exact volume is not known,
but the WWTP is dimensioned for 15,000 persons. Based on similar-sized WWTPs this
would give roughly 1,050,000 m3 of wastewater and 3.9 kg. Likewise, Staffanstorp Munici-
pality treats wastewater from 14,000 persons, corresponding to 980,000 m3 wastewater and
3.7 kg. For Kävlinge Municipality the stated volume treated wastewater was 6758 m3/day,
corresponding to 2,466,670 m3/year and 9.3 kg. In addition, Svedala Municipality dis-
charges 7.3 kg, according to our own study. The total emission is estimated to as follows
(Equation (2)):

258.3 + 3.9 + 3.7 + 9.3 + 7.3 = 282.5 kg ≈ 283 kg/year (2)

2.3.3. Southern Scania

Here Trelleborg Municipality operates five WWTPs in Trelleborg, Smygehamn, Västra
Alstad, Sjörup and Grönalund, which annually treat at total of 5,000,000 m3 wastewater,
corresponding to 18.8 kg. Ystad WWTP treats wastewater from Ystad and Skurup Munici-
pality, in total 7,212,600 m3 of wastewater/year, resulting in 27.1 kg. The total emission is
estimated to be as follows (Equation (3)):

18.8 + 27.1 = 45.9 kg ≈ 46 kg/year (3)

2.3.4. Southeastern Scania

Simrishamn Municipality has >19,000 residents; Stengården WWTP is the municipal-
ity’s largest WWTP and was included in this study, with a discharge of 9.9 kg. Simrishamn
Municipality operates a few smaller WWTPs: Kivik, Sankt Olof, Östra Vemmerlöv, and
Ravlunda. The treated volume wastewater was not stated, but their dimensions were 3000,
1000, 250 and 140 PE. Sankt Olof treatment plant was measured in this study to discharge
1.0 kg. The additional three WWTPs would give 3400 PE and a volume of 238,000 m3

wastewater and 0.9 kg pharmaceuticals. Tomelilla Municipality has Rosendal WWTP
which treats water from 7000 persons, corresponding to 490,000 m3 and 1.8 kg. Sjöbo
Municipality has ca. 19,000 residents, and the treatment of wastewater is performed at
Sjöbo WWTP and in seven smaller WWTPs. In total, 1,400,000 m3 of wastewater is treated
yearly, resulting in 5.3 kg. The total emission is estimated to be as follows (Equation (4)):

9.9 + 1.0 + 0.9 + 1.8 + 5.3 = 18.9 kg ≈ 19 kg/year (4)
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2.3.5. Northeastern Scania

Kristianstad Municipality has the largest WWTP, which was also included in this
study, discharging 29.6 kg. Kristianstad Municipality operates 11 other WWTPs, where
Gärds Köpinge was also part of this study, with 0.2 kg. The additional seven WWTPs are
Arkelstorp, 92,501 m3; Vittskövle, 86,989 m3; Degeberga, 79,000 m3; Maglehem, 78,283 m3;
Vånga, 9790 m3; and Rickarum, 8264 m3, with a total volume of 431,365 m3 and 1.6 kg
pharmaceuticals. For the two smallest WWTPs, no volume could be found. The municipali-
ties of Bromölla, Östra Göinge and Osby are located north of Kristianstad, and wastewater
treatment is performed by Skåne Blekinge Vattentjänst AB (SBVT). The volume of treated
water in Bromölla Municipality is 1,270,500 m3/year, corresponding to 4.8 kg. Östra Göinge
Municipality has a number of WWTPs in Knislinge, Broby, Sibbhult, Immeln, Östanå, Boalt
and Kräbbleboda, which treats 1,600,000 m3 wastewater per year, corresponding to 6.0 kg.
Five WWTPs are operated in Osby Municipality: Osby town, Lönsboda, Killeberg, Hökön
and Visseltofta. These correspond to 1,600,000 m3/year and 6.0 kg of pharmaceuticals. The
total emission is estimated to be as follows (Equation (5)):

29.6 + 0.2 + 1.6 + 4.8 + 6.0 + 6.0 = 48.2 kg ≈ 48 kg/year (5)

2.3.6. Central Scania

Örkelljunga Municipality has around 10,000 residents and two WWTPs in Skånes
Fagerhult and Örkelljunga. The municipality stated that, every day, between 2000 and
5000 m3 of wastewater is treated, which gives a minimum of 730,000 m3 of wastewater
treated yearly, corresponding to 2.7 kg of pharmaceuticals. Perstorp Municipality has
7000 residents, but no information about WWTPs could be found, so they were excluded
from calculations. Hässleholm Municipality has 52,000 residents, and the wastewater
is treated by Hässleholms Vatten AB. The treatment plants are listed in Supplementary
Materials, Table S5. Hässleholm Vatten treats a total volume of 5,623,878 m3/year, cor-
responding to 21.1 kg. Höör and Hörby Municipalities have a total of 32,000 residents.
Wastewater treatment is performed by the organization Mittskåne Vatten, which operates
10 WWTPs. Hörby Municipality has six WWTPs, and Höör Municipality consequently
has four. In our study, Ormanäs WWTP was included, discharging 6.2 kg. Apart from
this, 1,048,604 m3 wastewater is treated in Lyby WWTP, releasing 3.9 kg. The additional
eight WWTPs together generate 304,997 m3, corresponding to 1.1 kg. The total emission is
estimated to be as follows (Equation (6)):

2.7 + 21.1 + 6.2 + 3.9 + 1.1 = 35.0 kg ≈ 35 kg/year (6)

2.3.7. Total Estimated Emission of Pharmaceuticals in Scania

The calculated chemical burdens above are estimates that build on information avail-
able from the municipalities. Additionally, some WWTPs are not part of the calculations, as
information was lacking. Furthermore, in some cases, the WWTPs must brim their wastew-
ater; thereby, it is released untreated directly to the recipient, thus increasing the burden.
Furthermore, the study does not take into account private sewage systems, so-called on-site
sewage facilities (OSSFs), which are known to be less efficient and release an unknown
number of pharmaceuticals [62]. Around 10% of the Swedish population (1 million persons)
is connected to such OSSFs. One should also consider that only a very limited number of
pharmaceuticals, out of several hundred active medications on the market, were included
in this study. Nonetheless, this study adds up to the following (Equation (7)):

159.2 + 282.5 + 45.9 + 18.9 + 48.2 +35.0 = 589.7 kg ≈ 590 kg/year (7)

This total load in Scania and the distribution between the various areas are illustrated
in Supplementary Materials, Figure S4. Still, it is not unlikely that the total pharmaceutical
load to Scanian waters is many times larger, meaning one or several tons yearly.
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2.4. Occurrence of Pharmaceuticals in Scanian Streams and Lakes Downstream WWTPs

A critical topic is whether the concentrations of drugs in the recipient are increasing
downstream the WWTPs. For study this, water sampling was performed in the recipient
both upstream and downstream of the WWTPs. The sampling of these environmental
waters depended on the geographical placement of the various WWTPs. The results of the
analyses are seen in Supplementary Materials, Table S6 and visualized for the four rivers
in Figure 9. Based on this information, the pharmaceutical occurrence could be compared
between different types of recipients.

2.4.1. Gärds Köpinge WWTP and Vramsån River

Gärds Köpinge WWTP discharges ca. 8.75 m3/h or 0.0024 m3/s of wastewater into the
Vramsån River which has an annual flow of approximately 4 m3/s [63]. The sampling sites
in Vramsån river are seen in Supplementary Materials, Figure S5. The results show that this
WWTP has a limited impact on the concentrations of pharmaceuticals in the river (Figure 9),
since they basically are at the same low level before and after the WWTP, and always less
than 6 ng/L. This can be explained by the tiny contribution from the WWTP to the total
river flow. The ratio between the average annual flow (m3/s) of the river and the daily
flow from the WWTP (m3/s) gives a value of 1667 (4/0.0024), revealing extensive dilution.
However, it is noteworthy that the concentrations upstream Gärds Köpinge WWTP for
some pharmaceuticals (diclofenac, carbamazepine, losartan, metoprolol and oxazepam)
also occur at a few ng/L (Figure 9). The reason for this might be that the larger WWTP in
Tollarp is located only a few kilometers upstream. Studies are underway to determine the
contribution from Tollarp WWTP to the chemical load of the Vramsån River.

2.4.2. Klippan WWTP and Bäljane Å River

Klippan WWTP releases 156 m3/h, or 0.043 m3/s, wastewater into the Bäljane Å
river, which has an average annual flow of 2.4 m3/s [64]. The average dilution factor
in the river has been reported to be 40-fold; however, in extremely low flow periods, it
may drop to 2-fold, meaning that, at times, the river can comprise one-third of the treated
wastewater [64]. The sampling points are shown in Supplementary Materials, Figure S5.
From Figure 9, it can be seen that the concentrations downstream Klippan WWTP are
higher than upstream: diclofenac, 41 vs. 2.3 ng/L; carbamazepine, 27 vs. 6.7 ng/L; losartan,
12 vs. 1.9 ng/L; metoprolol, 52 vs. 7.7 ng/L; naproxen, 13 ng/L vs. <LOQ; oxazepam, 23 vs.
5.6 ng/L; sulfamethoxazole, 11 vs. 4.0 ng/L; and tramadol, 11 ng/L vs. <LOQ. The Bäljane
Å river runs into the Rönne Å river, which thereafter feeds into the sea at Skälderviken Bay
on the western coast of Scania. In previous studies, seawater was sampled from this coast
in a Baltic Sea Expedition [41]. Of the 92 pharmaceuticals analyzed, carbamazepine was
found in all samples at concentrations between 1.2 and 2.4 ng/L, fluconazole at 1.0 ng/L
(1 sample), ketoconazole at 5.5 ng/L (one sample) and metoprolol at 1.0 and 2.3 ng/L
(two samples). Accordingly, there is some agreement between those pharmaceuticals found
at the highest concentration in the Bäljane Å River and those quantified in the western coast
of the Baltic sea. By dividing the concentrations in the river downstream the WWTP with
concentrations upstream the WWTP it was shown that the downstream concentrations
are roughly six times higher at Klippan WWTP for diclofenac, erythromycin, fluconazole,
carbamazepine, losartan, metoprolol, oxazepam and sulfamethoxazole. Likewise, by
dividing the outlet concentrations in the WWTP with the downstream river concentrations,
it is shown that the outlet concentrations are 22 times higher on average. This is in relatively
good agreement with the average dilution factor of 40 [64]. The ratio between the average
annual flow of the river and the daily flow of wastewater of the WWTP yields a value of
56 (2.4/0.043), which is also fairly close to 40. Overall, this indicates that dilution plays a
major role in the reduction of pharmaceuticals in the river, though not as large as in the
Vramsån river above.
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Figure 9. Measured concentrations of pharmaceuticals in the 4 investigated rivers, upstream (Up)
and downstream (Down) of the WWTPs.
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2.4.3. Sankt Olof WWTP and Rörums Södra Å River

Sankt Olof WWTP releases its water into Rörums Södra Å river. Flow data were not
available; however, a realistic estimate would be 20 m3/h or 0.0056 m3/s. The Rörums
Södra Å river has a reported flow of 0.4 m3/s [65]. The sampling sites are shown in Sup-
plementary Materials Figure S5, while the concentrations of pharmaceuticals are shown in
Figure 9, revealing elevated concentrations downstream Sankt Olof WWTP. Six pharma-
ceuticals exceed 10 ng/L: diclofenac, 25 ng/L; carbamazepine, 25 ng/L; losartan, 19 ng/L;
metoprolol, 34 ng/L; naproxen, 57 ng/L; and oxazepam, 17 ng/L. The river runs eastwards
and feeds directly into Hanöbukten bay of the Baltic Sea. In the Baltic Sea Expedition [41],
no samples were taken directly in the Hanöbukten Bay, but two samples were taken in the
Southern Baltic proper, where carbamazepine was quantified in two samples at 2.1 and
3.3 ng/L, and fluconazole in one sample at 1.9 ng/L. Looking deeper into the river data, a
few things can be noted in concerning the observations made for Gärds Köpinge WWTP in
the Vramsån river and Klippan WWTP in the Bäljane Å river (above). The size of Gärds
Köpinge WWTP is about the same as Sankt Olof WWTP, even so higher concentrations of
pharmaceuticals was not observed in the Vramsån river as dilution was higher. Calculating
the relationship between the annual average river flows and the daily wastewater flows
at the WWTPs in Gärds Köpinge and Sankt Olof generated values of 1667 (above) and 71
(0.4/0.0056), respectively. Consequently, the dilution of wastewater in the Vramsån river
is 23 times larger than in the Rörums Södra Å river. This results in considerably lower
concentrations in the Vramsån river. Turning to Klippan WWTP, it can be seen that the
relation between the flow of wastewater per day and the Bäljane Å river annual average
flow is 56 (above). This relation is similar to that observed in the Rörums Södra Å river,
with a corresponding value of 71. The similarities in concentrations in the two rivers is
therefore not startling (Figure 9). By looking at upstream concentration data in the Rörums
Södra Å river, we see that Sankt Olof WWTP seems to be the main pharmaceuticals source
in this river.

2.4.4. Svedala WWTP and Sege Å River

Svedala WWTP releases 125 m3/h or 0.035 m3/s wastewater into the Sege Å River.
The average river flow has been reported to 2.7 m3/s [66], and the sampling sites in are
shown in Supplementary Materials, Figure S5. The concentrations of pharmaceuticals
downstream Svedala WWTP are shown in Figure 9 which reveals an increased occurrence.
In total, eight pharmaceuticals had concentrations exceeding 10 ng/L: diclofenac, 57 ng/L;
erythromycin, 33 ng/L; carbamazepine, 38 ng/L; losartan, 33 ng/L; metoprolol, 73 ng/L;
naproxen, 12 ng/L; oxazepam, 18 ng/L; and sulfamethoxazole, 11 ng/L. The river feeds
into the Southern Lommabukten bay of the western coast of Scania (just as the Bäljane
Å river above), and correspondingly there is some correlation between the compounds
released into the Sege Å river and those identified on the western coast, i.e., carbamazepine,
fluconazole, ketoconazole and metoprolol [41]. The ratio between the average annual river
flow and the daily wastewater for the WWTP results in a value of 77 (2.7/0.035). This value
is resembling both the value 56 for Bäljane Å river and the value 71 for Rörums Södra Å
river at. It is therefore reasonable that the concentrations downstream Svedala WWTP in
the Sege Å river are similar to those reported in the Bäljane Å river, as well as the Rörums
Södra Å river above.

2.4.5. Kristianstad WWTP and Hammarsjön Lake

Kristianstad WWTP releases 958 m3/h or 0.27 m3/s wastewater into the Hammarsjön
lake with a volume of 782,000 m3. The upstream sampling point is situated in the Helge Å
River (Supplementary Materials, Figure S6), and has an approximate flow of 39 m3/s [63].
The Helge Å river enters the Hammarsjön lake in its northwestern corner. The location of
the sampling point downstream Kristianstad WWTP is ca. 2 km from the WWTP at a place
named “Ekenabben” situated in the northeastern corner of the Hammarsjön lake. From
Figure 10a it is clear that the occurrence of pharmaceuticals downstream at “Ekenabben”
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are higher than those found at the upstream sampling point in the river. On average
the lake concentrations are 13 times higher than the river concentrations upstream the
WWTP. Similarly, Kristianstad WWTP outlet concentrations are 11 times higher (on average)
than concentrations downstream the WWTP in the Hammarsjön lake. Consequently, the
pharmaceutical concentrations are diluted 11 times in the Hammarsjön lake before reaching
“Ekenabben” inlet. Simultaneously, a minor calculation reveals that the treated wastewater
contributes quite substantially to the total lake volume considering that the volume of the
lake is ca. 782,000 m3 and Kristianstad WWTP releases 958 m3 water per hour. Through
the following basic calculation, 782,000 m3/958 m3/h = 816 h = 34 days, it can be seen that,
in only 1 month, the released volume of treated wastewater equals the entire volume of
the Hammarsjön lake. Despite this, the lake concentrations are still not extremely high,
and this probably can be explained by the fact that the Helge Å river flows through the
lake at a rate of ca. 39 m3/s = 140,400 m3/h. It can therefore be estimated that the Helge Å
river renews the lake water in ca. 6 h. No identification of the flow profile of the lake water
has been found, but even though the flow of water through the lake is high, rather high
concentrations are still observed at the inlet “Ekenabben”. This is probably because this is a
more stagnant part of the lake.

Figure 10. (a) Measured concentrations of pharmaceuticals in the Helge Å river upstream and the
Hammarsjön lake downstream of Kristianstad WWTP. (b) Comparison of measured concentrations
of pharmaceuticals in the Västra Ringsjön lake downstream Ormanäs WWTP and the Hammarsjön
lake downstream Kristianstad WWTP.
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2.4.6. Ormanäs WWTP and Västra Ringsjön Lake

Ormanäs WWTP releases 184 m3/h, or 0.051 m3/s, wastewater into the Västra
Ringsjön lake. The downstream sampling point is shown in Supplementary Materials
Figure S6, while no upstream sampling point could be located. The exact position of
the outlet of the wastewater in the lake was not known, but most likely some distance
from the shore. Even so, lake water was sampled 2 m from the shore in a southwesterly
direction from the WWTP. The volume of the Västra Ringsjön lake is ca. 39,110,000 m3

and a comparison of the concentrations of pharmaceuticals in the Hammarsjön lake and
the Västra Ringsjön lake is shown in Figure 10b. The Hammarsjön lake had concentra-
tions that were 13 times higher than the Västra Ringsjön lake. Even though the point
of release of wastewater in the Västra Ringsjön lake is not exactly known and the lake
currents were not identified, we can still estimate that the Västra Ringsjön lake volume is
around 50 times greater than the Hammarsjön lake volume. Consequently, the dilution is
thereby much bigger. Additionally, Ormanäs WWTP only makes a minor contribution of
water compared to the total volume of the lake. Through the following simple calculation,
39,110,000 (m3)/184 (m3/h) = 212,554 h = 8856 days, it takes 24 years until the discharged
volume treated wastewater equals the water volume of the Västra Ringsjön lake. It should
be noted though, that the Västra Ringsjön lake lacks the flow of a river as large as the Helge
Å river and therefore the turnover of water in the Västra Ringsjön lake is therefore most
likely not as high.

2.4.7. Höganäs WWTP and Öresund and Simrishamn WWTP and the Baltic Sea

Höganäs WWTP and Simrishamn WWTP discharge their wastewater into a sea en-
vironment and their location are shown in Supplementary Materials Figure S7. For both
WWTPs the volume of the recipient is unknown and no downstream samples were taken.
The recipient Öresund (western coast) is likely not as sensitive as the Baltic Sea (eastern
coast), since the latter is a closed brackish water sea. At the same time, the released amount
of pharmaceuticals (kg) into Öresund is much larger than into the Baltic Sea (Supplemen-
tary Materials Figure S4). Based on the fact that fresh water is becoming a limited resource
during the summer period it might be worthwhile to consider to stop releasing the wastew-
ater into the salty water of the sea, since the costs of turning it back into fresh water is very
costly. Additionally, there is a shortage of fresh water in the summer season in many parts
of Sweden, and therefore increased reuse and circulation of fresh water may be a way to
improve water deficiency in these areas.

3. Materials and Methods

3.1. Questionnaire, Wastewater Treatment Plants (WWTPs) and Recipients

Eight WWTPs in Scania (the most southern county in Sweden) were included in the
study, covering several different scenarios. This constituted a suitable basis for model
studies of pharmaceutical emissions from the roughly 90 WWTPs in Scania. All partici-
pating WWTPs were given a questionnaire and asked to provide basic information about
the WWTPs, such as size and volumes. The answers to these questions are shown in
Supplementary Materials Table S1. The 8 WWTPs chosen are spread out geographically
all over Scania and discharge their wastewater in several differing recipients, as seen in
Figure 2a.

In Northwest Höganäs, WWTP discharges directly into the salty water of the Öresund
coastal sea area, Kattegatt. In inland Northwest Scania, Klippan WWTP has a point of
discharge in the Bäljane Å river that continues to Rönne Å river and thereafter reaches
Ängelholm and the Skälderviken bay of the western coast of Scania. In Southwest Scania,
Svedala WWTP has a point of discharge in the Sege Å river. This river ends in the Southern
Lommabukten bay on the western coast. In Central Scania, Ormanäs WWTP discharges
wastewater in the northern part of the Västra Ringsjön lake. In Northeastern Scania,
Kristianstad WWTP and Gärds Köpinge WWTP were both included. Both are situated
in the UNESCO Biosphere Reserve Area Kristianstads Vattenrike [67] and connected to
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the basin of the Helge Å river, as described in more detail in our previous paper [68].
Kristianstad WWTP discharges wastewater into a 1500 m long canal, that ends in the
Hammarsjön lake. The Helge Å river is the largest river in Scania, and both the inlet and
outlet of the river are located in the Hammarsjön lake. The point of discharge of Gärds
Köpinge WWTP is in the Vramsån river, which runs into the Helge Å river. The Helge Å
river thereafter continues on eastwards to Hanöbukten bay (Baltic Sea with brackish water),
with its largest exit in Gropahålet (close to the village Yngsjö) and a minor exit in Åhus
harbor. Sampling was also performed at Sankt Olof WWTP and Simrishamn WWTP, both
located in the southeast corner of Scania. Sankt Olof WWTP releases its wastewater into
the Rörums Södra Å river, which continues east and ends in the Hanöbukten Bay north of
Vik. Simrishamn WWTP discharges its wastewater directly into the Hanöbukten bay.

3.2. Sampling and Analysis

In spring 2017, contact was taken with the WWTP organizations before sampling. The
actual sampling campaign was performed through visits at the 8 WWTPs on the 4/5 April
2017. All samples underwent chemical analysis at Kristianstad University during April
2017. All sampling was conducted in collaboration with the WWTP staff. All samples at
the WWTP were grab samples taken in 100 mL HDPE bottles. Surface-water samples from
rivers and lakes were all collected by the authors as grab samples, using 500 mL HDPE
bottles. Samples were taken 0.2 m below surface for all rivers and lake samples. All sample
types were kept frozen at −18 ◦C until analysis. For pharmaceutical determination, 50 and
500 mL of the collected sample volume were extracted for wastewaters and surface waters,
respectively. For extraction, HLB cartridges (hydrophilic–lipophilic balance 200 mg sorbent,
6 mL cartridge) were purchased from Waters Oasis (Milford, MA, USA). In this project, a
robust and flexible method developed at Kristianstad University, Sweden, was used [30,31].
The method has been validated according to a method established by the United States
Environmental Protection Agency (US EPA) in 2007 for analysis of pharmaceuticals and per-
sonal hygiene products in water, soil, sediment and biomaterial, using HPLC/MS/MS [69].
The method has also been validated in a recent intercalibration exercise funded by the
Swedish Agency for Marine and Water Management, including 5 well-established lab-
oratories (4 Swedish and 1 Danish), demonstrating good overall performance [53]. For
analysis, a Waters Acquity UPLC H-Class with the following components was used: a
Quaternary Solvent Manager (QSM), a Sample Manager with Flow-Through Needle (SM-
FTN) and a Column Manager (CM), enabling fast column switching (Waters, Milford,
MA, USA). The chromatographic column was a Waters Acquity UPLC BEH C18 column
(2.1 mmID × 50 mm, 1.8 μm). For final detection, a Xevo TQ-S™ triple quadrupole mass
spectrometer (Waters Micromass, Manchester, UK) equipped with a Z-spray electro-spray
interface was used.

4. Conclusions

The concentrations of pharmaceuticals released by the eight WWTPs in County Scania
are, in general, on par with those reported in previous Swedish monitoring studies. There
is also some agreement with previous European screening programs. Of the 21 analyzed
substances, metoprolol and diclofenac have the highest average outlet concentrations of
946 and 680 ng/L, respectively. This is followed by carbamazepine, losartan, naproxen and
oxazepam, all of which are above 250 ng/L.

A separate investigation on seasonal variation in outlet concentration from the largest
WWTP in Kristianstad showed a peak in January and a dip in July, but still with a consistent
flow of pharmaceuticals to the recipient all year around.

Despite the fact that the concentrations are low (ng/L to μg/L levels), the total chemi-
cal burden from these eight WWTPs is substantial on a yearly basis and adds up to 71 kg,
as a consequence of the large total volumes of treated wastewater. The total treated wastew-
ater volume for the >90 WWTPs in Scania was estimated to be 152,887,000 m3, which is ca.
14% of the total Swedish wastewater volume. Based on a correlation between the volume of
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treated wastewater and the total amount released of the 21 pharmaceuticals, an estimate of
the total chemical burden to the Scanian aquatic systems could be performed. This showed
a total release of 590 kg/year.

An analysis of river samples upstream and downstream the WWTPs showed that the
dilution factor of the WWTP wastewater flow in the receiving river flow is central for the
concentrations found downstream of WWTPs. In short, small WWTPs in large rivers causes
less concern. Still, the need for implementation of advanced treatment should be judged
on a case-by-case basis, as there might be specific ecological values that need protection
also from minor discharges. For example, the Vramsån river has fine specimens of the
very rare freshwater pearl mussel (Margaritifera margaritifera) [70] which can live for more
than 250 years [71]. Being exposed to even minute amounts of contaminants for centuries
may cause unknown effects, especially considering that these mussels are sensitive to
environmental pollution [72].

In summary, regional monitoring studies will aid in prioritizing where the need
for advanced treatment is highest, as requested by the Swedish EPA [28]. Even a few
measurements can make a large difference in dialogue with politicians and stakeholders.
Considering the large financial undertakings associated with construction of modern
treatment facilities that should last for decades, the time and resources spent on a sampling
campaign is quite insignificant. It will provide essential information in taking knowledge-
based decisions that will save time and resources and, at the same time, make sure that the
investments made will maximize the protection of our aquatic ecosystems.

Supplementary Materials: The following supporting information can be downloaded. Figure S1:
Outlet concentrations of diclofenac and metoprolol. Figure S2: Outlet concentrations of oxazepam.
Figure S3: Seasonal concentrations of 4 pharmaceuticals at Kristianstad WWTP. Figure S4: Estimated
release of pharmaceuticals in kg. Figure S5: River sampling points. Figure S6: Lake sampling
points. Figure S7: WWTPs by the coast. Table S1.a.: Information about the 8 WWTPs. Table S1.b.
Complementary information about the eight WWTPs. Table S2: WWTP outlet concentrations.
Table S3: Seasonal concentrations at Kristianstad WWTP. Table S4: Outlet masses from WWTPs. Table
S5: Outlet wastewater volumes. Table S6: Upstream and downstream concentrations.
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Abstract: This study investigated the occurrence of disinfection by-products (DBPs) (trihalomethanes
(THMs), haloacetic acids (HAAs), halonitriles (HANs), halonitromethane (TCNM) and haloketones
(HKs)) in different type of swimming pools in the area of Thessaloniki, northern Greece by employing
the EPA methods 551.1 and 552.3. Moreover, general water quality parameters (pH, residual chlorine,
dissolved organic carbon, UV254 absorption, total nitrogen, alkalinity and conductivity) were also
measured. The concentrations of DBPs showed great variability among swimming pools as well
as within the same pool between sampling campaigns. HAAs exhibited the highest concentrations
followed by THMs, HANs, TCNM and HKs. Exposure doses for four age groups (3–<6 y, 6–<11 y,
11–<16 y and adults) were calculated. Route-specific exposures varied among DBPs groups. In-
halation was the dominant exposure route to THMs and TCNM (up to 92–95%). Ingestion and
dermal absorption were the main exposure routes to HAAs (40–82% and 18–59%, respectively),
depending on the age of swimmers. HANs contributed up to 75% to the calculated cytotoxicity of
pool water. Hazard indices for different exposure routes were <1, suggesting non-carcinogenic risk.
Inhalation posed the higher carcinogenic risk for THMs, whereas risk via oral and dermal routes
was low. Ingestion and dermal contact posed the higher risk for HAAs. Risk management strategies
that minimise DBPs exposure without compromising disinfection efficiency in swimming pools
are necessary.

Keywords: DBPs; haloacetic acids; halonitriles; trihalomethanes; swimming pool; carcinogenic risk;
cytotoxicity; dermal; inhalation; ingestion

1. Introduction

Disinfection is a necessary water treatment process used in swimming pools to in-
activate pathogens and prevent outbreaks of infectious diseases. Chlorine is the most
common disinfectant for this purpose. However, this practice also results in the formation
of undesirable disinfection by-products (DBPs) from the reaction of chlorine with the or-
ganic matter present in filling waters (natural organic matter) and released from swimmers
(human body fluids, sweat, sebum, skin particles, personal care products etc). Differences
in operation conditions and disinfection methods affect the levels and speciation of the
DBPs in swimming pools [1–3].

A large number of DBPs are considered as cytotoxic, neurotoxic, mutagenic, genotoxic,
carcinogenic and teratogenic [4–6]. Concerns have been raised regarding potential negative
effects on human health from water disinfectants used in swimming pools. The exposure to
DBPs through different intake routes (inhalation, dermal absorption, water ingestion) may
pose health risk for swimmers and pool staff. Links between exposure to DBPs and several
health issues have been investigated [7–9]. Overall, the available knowledge suggests
that the health benefits of swimming outweigh the potential health risks and, positive

104



Molecules 2021, 26, 7639

effects of swimming should be enhanced by minimizing potential risks. Although many
studies reported the occurrence of commonly investigated DBPs (mainly trihalomethanes
and haloacetic acids) in swimming pools, there are only a few studies that investigated
emerging DBP classes, such as nitrogenous DBPs (halonitromethanes, haloacetonitriles
etc.).

The aim of this study was to investigate for the first time the presence of various
priority and emerging DBP groups (trihalomethanes, haloacetic acids, halonitriles, haloni-
tromethanes and haloketones) under swimming pool operation conditions as practiced in
the area of Thessaloniki, Northern Greece. DBPs as well as other water quality parameters
(pH, residual chlorine, dissolved organic carbon, UV absorption at 254 nm, alkalinity,
conductivity, total nitrogen) were determined during the period July 2019–February 2020.
Specifically, the main objectives of this article are to:

(a) Examine the occurrence of different DBPs groups in swimming pools;
(b) Find out possible correlations among DBPs and physicochemical water parameters;
(c) Estimate the contribution of different exposure routes to DBPs and;
(d) Present a multi-pathway risk assessment for four age-groups of swimmers.

2. Experimental

2.1. Analytical Standards and Reagents

Target DBPs classes and individual species are shown in Table 1. Analytical stan-
dards for the studied DBPs were used for the purpose of this study. The analytical
standard for THMs EPA 501/601 trihalomenthanes calibration mix certified reference
material, 100 μg/mL each component in methanol, was obtained from Sigma-Aldrich
and is a mixture of four compounds (TCM, DCBM, CDBM and TBM). Analytical stan-
dard EPA 551B Halogenated Volatiles Mix certified reference material (2000 μg/mL
each compnentin methyl tert-butyl ether) purchased from Sigma–Aldrich contains four
haloacetonitriles (DCAN, TCAN, BCAN, DBAN), one halonitromethane (TCNM) and
two haloketones (DCP, TCP). The analytical standard EPA 552.2 Haloacetic Acids Mix
certified reference material 2000 μg/mL each component in methyl tert-butyl ether
was obtained from Supelco and is a mixture of nine haloacetic acids (BCAA, BDCAA,
CDBAA, DBAA, DCAA, MBAA, MCAA, TBAA, TCAA). The internal standard 1,2-
dibromopropane was obtained from Chem. Service (West Chester, U.S.A). The surrogate
standard 2,3 dibromoproprionic acid was provided from Supelco. Methyl tert-butyl
ester (MtBE), Na2HPO4, KH2PO4, Na2SO4, NH4Cl and methanol were provided from
Sigma-Aldrich. Milli-Q water provided by the Simplicity UV Ultrapure Water System
(Millipore, Molsheim, France).

Table 1. DBPs groups determined in this study.

DBPs Groups DBPs Species Abbreviation Chemical Formula

THMs
Trihalomethanes

trichloromethane TCM CHCl3
dichlorobromomethane DCBM CHBrCl2

chlorodibromo CDBM CHBr2Cl
methanetribromomethane TBM CHBr3

HANs
Haloacetonitriles

dichloroacetonitrile DCAN CHCl2CN
trichloroacetonitile TCAN CCl3CN

bromochloroacetonitrile BCAN CHBrClCN
dibromoacetontrile DBAN CHBr2CN

HNMs
Halonitromethanes trichloronitromethane TCNM CCl3NO2

HKs 1,1-dichloropropanone DCP C3H4Cl2O
Haloketones 1,1,1-trichloropropanone TCP C3H3Cl3O
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Table 1. Cont.

DBPs Groups DBPs Species Abbreviation Chemical Formula

HAAs
Haloacetic acids

monochloroacetic acid MCAA CH2ClCOOH
monobromoacetic acid MBAA CH2BrCOOH

dichloroacetic acid DCAA CHCl2COOH
trichloroacetic acid TCAA CCl3COOH

bromochloroacetic acid BCAA CHBrClCOOH
dibromoacetic acid DBAA CHBr2COOH

dibromochloroacetic acid DBCAA CBr2ClCOOH
chlorodibromo acetic acid CDBAA CBr2ClCOOH

tribromoacetic acid TBAA CBr3COOH

2.2. Water Samples

A range of swimming pool types (indoor, outdoor, only for children and for chil-
dren/adults) located in the area of Thessaloniki, Northern Greece were included in this
study. The type of pools and the disinfectant used are described in Table 2. In order to
ensure confidentiality, samples have been identified by applying codes (SP1 to SP14).

Table 2. Description of swimming pools.

Code Indoor/Outdoor Children/Adults Disinfection

SP-1 Indoor Children 1 NaOCl
SP-2 Indoor Children/Adults 2 NaOCl
SP-3 Outdoor Children/Adults NaOCl
SP-4 Outdoor Children/Adults NaOCl
SP-5 Indoor Children NaOCl
SP-6 Indoor Children/Adults NaOCl
SP-7 Outdoor Children/Adults NaOCl
SP-8 Outdoor Children/Adults NaOCl
SP-9 Outdoor Children/Adults NaOCl

SP-10 Indoor Children Electrolysis NaCl
SP-11 Indoor Children/Adults Electrolysis NaCl
SP-12 Indoor Children/Adults Electrolysis NaCl
SP-13 Outdoor Children NaOCl
SP-14 Outdoor Children/Adults NaOCl

1 swimming pools only for children ≤7 years old, 2 Swimming pools for children >7 and adults.

Water samples were collected from 14 swimming pools, consisting of 7 outdoor and 7
indoor pools, 4 for children (≤7 years) and the rest for adults/children >7 year during the
period July 2019 to February 2020 (5 sampling were conducted). Unfortunately, it was not
possible to have access to detailed information (e.g., number of swimmers, average daily
attendance rate, frequency of pool water replacement, regularity of filter backwashing and
occurrence of shock chlorination procedures).

Sampling was conducted in evening, between 18.00 and 20.00 p.m. Equal volumes of
water samples collected at the four corners of pool, from approximately 50 cm from the side
walls and 30 cm below the water’s surface, were combined in order to obtain a composite
sample. Prior to sampling different reagents were added to the sample vials in order to
quench any chlorine residual or standardise pH values. At each pool, three bottles were
filled: (1) one 60 mL headspace free amber glass bottle for determination of THMs-HANs-
HNM-HKs. This vial contained NH4Cl as dechlorination agent and KH2PO4/NaHPO4
as buffer to lower pH 4.8–5.5 in order to inhibit base catalysed degradation of HANs and
standardise the pH in all samples, (2) one 60 mL headspace free amber glass bottle contained
NH4Cl as dechlorination agent for determination of HAAs and, (3) one 500 mL glass bottle
for determination of water quality parameters. Water samples were immediately placed
in a cooler, transported to the laboratory within 2 h and then stored at 4 ◦C until analysis
(within 1–4 days). Tap water from the main drinking water supply system of the city was
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used as filling water for swimming pools. Tap water samples were also collected at selected
facilities to assess their impact on the formation of DBPs in the pools.

All glassware used for sampling and analysis was meticulously cleaned with detergent
and tap water, rinsed with tap water followed by Milli-Q water and solvents.

2.3. Analytical Methods

DBPs were recovered from water samples by employing various extraction meth-
ods. THMs, HANs, TCNM and HKs were extracted with MtBE according to the EPA
551.1 method [10]. HAAs were analysed according to the EPA 552.3 [11] that includes
liquid–liquid extraction with MtBE followed by derivatisation (methylation) via acidic
methanol. GC/ECD (Trace GC Ultra, Thermo Scientific) with an analytical column AT-5
(30 m, id 0.25 mm, 0.25 μm, Grace) was used for determination of DBPs. THM, HANs,
TCNM, HKs were analysed in the same run and the GC temperature program was: 35 ◦C
for 9 min, 1 ◦C/min to 40 ◦C (3 min), 6 ◦C/min to 120 ◦C (5 min) and then 10 ◦C/min to
220 (5 min). For HAAs, the GC temperature program was: 37 ◦C for 21min, 5 ◦C/min to
136 ◦C (3 min), and then 20 ◦C/min to 240 (5 min). The injector and detector temperatures
were set at 210 ◦C and 280 ◦C, respectively.

Procedural standard calibration curves were used to quantify DBPs. Internal stan-
dards as per individual method requirements were employed and quantification for each
analyte was based on relative response ratios. The recovery of DBPs ranged from 80–112%,
precision was better than 11% and detection limits ranged from 0.14–0.50 μg/L for THMs,
0.15–0.34 μg/L for NDBPs and HKs and 0.04–0.15 μg/L for HAAs (Table S1).

Free chlorine was measured on site upon the addition of N,N-diethylp-phenylenediamine
(DPD) reagent using a portable Pocket Colorimeter (HANNA instruments (HI 96, 710
and free chlorine reagent Hi37101-01). pH and conductivity were also measured on site
using a portable multi-meter (Dr Lange, ECM). DOC (as nonpurgeable organic carbon) was
measured and filtrated through 0.45-μm samples, using a TOC-Vcsh analyser (Shimadzu).
UV absorbance at 254 nm was also measured in filtrated samples by a spectrophotometer
(Hitachi U-2001). SUVA was calculated as the ratio of UV254 to DOC. Total nitrogen (TN)
was measured after digestion of unfiltered sample by persulfate method and alkalinity by
titration with sulfate acid according to standard methods [12].

2.4. Risk Assessment
2.4.1. Assessment of Cytotoxicity

The chronic cytotoxicity of pool waters due to the presence of the studied DBPs was
evaluated based on effective concentrations of EC50 values (a measure of the minimum
concentration of a particular compound that induces a 50% reduction in density of Chinese
hamster ovary cells after 72 h) [13]. The molar concentration of each DBP was divided
by its EC50 value for those DBP species that were available, resulting in a dimensionless
cytotoxicity value. The sum of these values represent the DBP-derived cytotoxic nature of
pool water.

2.4.2. Exposure Doses

Swimmers are exposed to DBPs through various routes such as incidental oral expo-
sure, dermal exposure, inhalation buccal, aural and nasal orbital exposures according to
Swimmer Exposure Assessment Model (SWIMODEL) [14].

The average daily dose (ADD, mg/kg-event) though ingestion (ADDIng), dermal
absorption(ADDAbs) and inhalation (ADDInh) was estimated according to the following
equations [15]:

Average Daily Dose through ingestion (ADDing, mg/kg-day):

ADDIng = (Cw × IngR × EF × ED)/(BW × AT)
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Average Daily Dose absorbed through dermal (ADDAbs, mg/kg-day):

ADDAbs = (Cw × Kp × t × SA × EF × ED)/(BW × AT)

Average Daily Intake through inhalation (ADDInh, mg/kg-day):

ADDInh = (Ca × InhR × EF × ED)/(BW × AT)

where: Cw: concentration of DBPs in water (mg/L), Ca: Concentration of DBPs in air
(mg/m3), IingR: Ingestion rate (L/day), EF: Exposure frequency (days/year), ED: Exposure
duration (years), BW: Body weight (kg), AT: Averaging time (days), Kp: Permeability
coefficient (cm/h), t: Time of contact (h/event, days), SA: Skin surface area available for
contact (cm2), InhR: Inhalation rate (m3/h).

When both water and air concentrations of DBPs are measured in swimming pool
facilities the actual exposure doses are obtained. However, in case that air concentrations
are not determined, they can be calculated from the measured water concentrations
through different approaches i.e., using Henry’s Law or Raoult’s Law as in SWIMODEL
or through fugacity model [14,16,17]. Dyke et al. [16] who compared measured air
concentrations of THMs with those calculated by different methods reported that the
Henry’s Law approach appeared to overestimate two-three orders of magnitude the
experimental data. Lourencetti et al. [17] also found that the actual THMs concentrations
measured in air were significantly lower than those expected from the Henry’s Law
and the ratios of measured to calculated concentrations of THMs ranged from 0.6 to
5.6% for individual species (0.9–1.4% for chloroform). In our study the Henry’s Law
based on equilibrium with water was used to calculate air concentrations. This approach
overestimates the actual concentrations occurred in a natatorium where ventilation is
continuously driving the system away from its equilibrium [16,17]. In addition, in order
to estimate exposure through inhalation and possible risks, we made the assumption that
actual THMs air concentrations are 2% of the calculated values, based on the findings
of Lourencetti et al. [17]. The efficiency of the absorption through exposure routes was
assumed to be 100%. The exposure factors employed in this study and the properties of
the studied DBPs are shown in Tables 3 and 4.

Table 3. Exposure factors for non-competitive swimmers [18].

Abr Exposure Factors Age Groups of Non-Competitive Swimmers

Children
(3–<6 y)

Children
(6–<11 y)

Children
(11–<16 y)

Adults
(>18 y)

BW Body weight (kg) 19 32 57 80

SA Surface area (m2) 0.76 1.08 1.59 1.94

InhR Inhalation rate (m3/h) 0.66 0.66 0.78 0.74

IngR Ingestion rate (L/h) 0.049 0.049 0.049 0.025

EF Exposure frequency
(min/month) 137 151 139 181

ED Exposure duration
(years) 4 5 5 30

AT Average Time 78 78 78 78
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Table 4. Properties and risk factors used for assessing exposure and health risk.

DBPs
H

(atm m3/mol)
[19,20]

Kp
(cm/h)
[19,20]

EC50

(M)
[13]

Rfd
(mg/kg-day)

[21]

IARC
[22]

SF
(mg/kg-day)

[21,23]

Oral Dermal * Inhalation *

THMs

TCM 3.67 × 10−3 6.83 × 10−3 9.62 × 10−3 1 × 10−2 2B 1 × 10−2 1 × 10−2 1.9 × 10−2

BDCM 2.12 × 10−3 4.02 × 10−3 1.15 × 10−2 2 × 10−2 2B 6.2 × 10−2 6.2 × 10−2 1.3 × 10−1

CDBM 7.83 × 10−4 2.89 × 10−3 5.36 × 10−3 2 × 10−2 3 8.4 × 10−2 8.4 × 10−2 8.4 × 10−2

TBM 5.35 × 10−4 2.35 × 10−3 3.96 × 10−3 2 × 10−2 3 7.9 × 10−2 7.9 × 10−2 3.9 × 10−3 **

HAAS

DCAA 8.38 × 10−9 1.21 × 10−3 7.3 × 10−3 4 × 10−3 2B 5 × 10−2 5 × 10−2 5 × 10−2

TCAA 1.35 × 10−8 1.45 × 10−3 2.4 × 10−3 2 × 10−3 2B 7 × 10−2 5 × 10−2 5 × 10−2

NDBPs ***

TCAN 1.34 × 10−6 7.6 × 10−3 1.601× 0−4 3

DCAN 3.79 × 10−6 6.5 × 10−4 5.73 × 10−5 3

BCAN 1.24 × 10−6 4.1 × 10−4 8.46 × 10−6 3

DBAN 4.06 × 10−7 2.5 × 10−4 2.85 × 10−6 2B

TCNM 2.05 × 10−3 5.8 × 10−3 5.36 × 10−4

HKs ***

DCA 6.15 × 10−6 4.4 × 10−4

TCA 2.17 × 10−6 1.2 × 10−3

* Oral SFs were used for dermal exposure and inhalation when data were not available. ** SF was derived from inhalation unit risk. *** Kp
was calculated according to the equation logKp = −2.72 + 0.71logKow − 0.006161MW.

2.4.3. Non-Carcinogenic Risk

The non-carcinogenic risk for an individual i DBP specie was assessed as hazard
quotient (HQ) according to the equation HQi = ADDi

RfDi where ADDi (mg/kg-day) is average
daily intake considering AT = ED and RƒDi is the reference daily dose for the i DBP specie.
RƒDs values for oral exposure are shown in Table 4. The same values were also used
for assessing hazard indices through dermal and inhalation routes. Hazard Index (HI)
represents the sum of hazard quotients for all DBPs.

2.4.4. Carcinogenic Risk

Lifetime cancer risk (CRi) for individual i DBP specie for a specific exposure route was
calculated according to the equation: CRi = LADDi × SFi, where LADDi: is the Lifetime
Average daily dose (mg/kg-day) calculated from ADD, considering AT as lifetime (in
days), and SFi is the cancer slope factor for individual i DBP specie. SFi values are shown
in Table 4. Cancer slope factors through oral exposure were used also for the other routes
that SFs are not available.

2.5. Statistical Evaluation

Statistical analysis was performed using SPSS Statistics version 24 software (IBM,
Armonk, NY, USA). Non detectable concentrations were treated as half of LOD. Correla-
tion among DBPs and water quality parameters was examined through non-parametric
Spearman’s correlation analysis, since data are not follow normal distribution.
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3. Results and Discussion

3.1. Water Quality Parameters

The general water quality parameters are shown in Figure 1. The pH values of
waters ranged from 6.4–8.4. The majority of samples (95%) meet the local operational
guideline for a range of 7.2 to 8.2 for waters treated with chlorine. Free chlorine concentra-
tions were found to vary greatly among the investigated waters (0.3–5 mg/L). According
to national legislation, free residual chlorine range is between 0.4 and 0.7 mg/L [24].
Recently, for precautionary reasons, a concentration of 1.5 mg/L is suggested for pro-
tection of public health to SARS-CoV-2 [25]. WHO suggests that a range of residual
chlorine from 1 to 3 mg/L [26]. In our study most samples were within the acceptable
limits proposed by WHO and only 15% of samples exceed the upper WHO guideline.
The alkalinity in pool water ranged from 35–335 mg/L, and in general meet the local
guideline for concentrations above 50 mg/L (only 5% were below this limit). Many
studies worldwide reported deviations from national guidelines either for pH values or
for free chlorine values [3].

 
Figure 1. Water quality parameters in swimming pools (boxplots represent 10th and 90th percentiles,
min and max values; circle and triangle represent mean and median values, respectively).

DOC varied among pools and ranged from 0.7 to 27 mg/L. These values are within
the range of values reported in other studies [1,3,27]. Total nitrogen (TN) ranged from <0.1
to 14 mg/L. Yeh et al. [28] reported an increasing accumulation of TN in swimming pool.
The organic and nitrogen loads are highly variable and depend on their presence in filling
water but mainly from the anthropogenic releases. Human body fluids, sweat, sebum, skin
particles and hair, and personal care products contribute to both carbon and nitrogen load
in pools [28–31].

3.2. Occurrence of Disinfection By-Products

The range of various DBPs groups determined in pool water as well as of the individ-
ual species in each group is shown in Figure 2.
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Figure 2. Water concentrations of DBPs in swimming pools (boxplots represent 10th and 90th
percentiles, min and max values; circle and triangle represent mean and median values, respectively).

HAAs exhibited the highest concentrations followed by THMs, HANs, TCNM
and HKs. HAAs as sum of nine compounds ranged from 178–3640 μg/L (median
680 μg/L) (Figure 2). The dominant compounds were TCAA and DCAA with relative
contributions 79 ± 15% and 18 ± 14%, respectively. BCAA, DBAA, CDBAA were
determined in few samples. Yeh et al. [28] reported that due to high abundance of HAAs
(especially DCAA and TCAA) these compounds could be used as indicator chemicals
to define guideline values for monitoring pool water quality. The concentrations of
HAAs are below ECHA proposed limits for swimming pools that ranged from 800 to
8000 μg/L for individual HAAs, and particularly 1500 μg/L for DCAA and 8000 μg/L
for TCAA [32].

THMs, as sum of four compounds, was the second most abundant group with con-
centrations ranging from 1–410 μg/L (median 89 μg/L), with TCM being the dominant
compound (84 ± 22%). Some studies compared concentrations of DBPs with drinking
water limits 100 μg/L for THMs [33]. National limits have been proposed in various
countries for THMs, i.e., 20 μg/L in Germany, 50 in Netherlands and Hungary [34]. ECHA
proposed a limit of 50 μg/L for THMs, as chloroform equivalent, in swimming pools [32].

HANs as sum of four acetonitriles ranged from 0.9–130 μg/L (median 15 μg/L).
DCAN (median 8.1 μg/L) and TCAN (2.1 μg/L) were the dominant compounds with
relative contribution 51 + 32% and 21 + 17%, respectively, followed by BCAN, DBAN. The
majority of samples exhibited concentrations below the ECHA limits for swimming pools
(20 μg/L for DCAN, 70 μg/L for DBAN and 20 μg/L BCAN) [32]. TCNM ranged from
<0.2–7 μg/L (median 1.6 μg/L). The haloacetone 1,1,1-TCP was the dominant propanone
with concentrations 0.5–48 μg/L (median 3.4 μg/L).

The concentrations of DBPs varied among swimming pools (Figure S1) as well as
within the same pool between sampling campaigns. This variation could be attributed to
different conditions occurred in each swimming pool i.e., regarding low or heavy load of
swimmers, replacement of pool water, filter backwashing or shock chlorination. Several
outliers were found to originate mainly from two swimming pools that also exhibited high
DOC values, low residual chlorine concentrations and employed electrolysis of sodium
chloride as disinfection process. They also showed relatively elevated concentrations of
brominated DBP species (1–12% for Br-HAAs, 13–40% for Br-THMs and 3–30% for Br-
HANs). Organic load is a significant precursor of DBPs. Moreover, it has been reported that
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electrolysis of salt solution could result in higher formation of DBPs as well as brominated
analogues due to impurities in salt [1].

Table 5 summarises the concentrations of DBPs in swimming pools worldwide. DBPs
varied both quantitatively and in terms of speciation since their occurrence in pool water
depends on operational and environmental conditions (pH, temperature, concentration
and origin of organic carbon, concentration of chlorine, management conditions etc., ). The
concentrations of DBPs in our study are within the reported range.

Table 5. Concentrations of DBPs (μg/L) in swimming pool water worldwide.

Country HAAs THMs NDBPs HKs References

Australia

366–5126
230–2400
(DCAA)
110–2600
(TCAA)

65–84 (TCM)

4.9–8.9
(DCAN)
nd–2.3

(TCNM)

[28]

Canada 155–2224 [35]

Canada
21–132
6.7–125
(TCM)

3.4–78.6
(HANs)

4.5 (TCNM)
0.3–7.3 (TCP) [36]

China 1.2–1889 25.7 ± 33.1 12.3 ± 15.5 [37]

France 80
70 (TCM)

75 (DCAN)
nd–4.5

(TCNM)
72 (TCP) [38]

Greece 7.7–653.7 8.1–57.4 0.8–20.6
(HANs) nd–15.3 [39]

USA

70–3980
50–2040
(DCAA)
20–2970
(TCAA)

[40]

USA
26–213
25–207
(TCM)

4–47 (DCAN) [41]

Singapore

45–828
(DCAA)
114–1020
(TCAA)

32–170
30–167
(TCM)

[42]

nd: non detected.

Tap water from drinking water distribution system is used to fill and regularly top-up
the pools at each facility. DBPs in tap water was therefore investigated. The concentrations
of DBPs were low, THMs ranged from 0.4 to 17 μg/L, NDBPs <1–5 μg/L and HAAs
were not found at detectable concentrations whereas DOC ranged from 0.1–1.2 mg/L. The
majority of pool waters (90%) contained higher concentration of DBPs and DOC compared
to filling waters.

Correlation coefficients among the investigated DBP classes and other general water
quality parameters are shown in Table S1. Significant correlations were observed among
individual species in each DBP group (HAAs-DCAA-TCAA-BCAA-DBCAA-CBAA and
THMs-TCM-TBM), between studied DBPs classes (THMs-HANs, HAAs-TCNM). UV was
the water quality parameter that showed significant correlation with all DBPs species. Vari-
ous studies reported correlation between various DBPs species and organic content or free
chlorine [35,43]. However, other studies did not report significant correlations [3,40]. The
origin of dissolved organic carbon in swimming pool may affect the levels and speciation
of DBPs. It has been reported [27] that human body fluids exhibited higher formation
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potentials of HAAs than THMs, whereas the opposite was observed for the natural organic
matter that produce more THMs.

3.3. Exposure Routes

Ingestion, dermal contact and inhalation are the main exposure pathways to DBPs.
The exposure to DBPs depends on the physical activity of swimmers and level of their
effort, average time of swimming, body surface area, inhalation rate and rate of inadvertent
ingestion of pool water [15,44]. The relative contribution of exposure routes to DBPs for
different age-groups is shown in Figure 3.

  

  
Figure 3. Relative contribution of exposure routes to DBPs (ING: ingestion, DER: dermal and INH: inhalation).

Route specific exposures varied among DBPs groups. Inhalation was the dominant
exposure route for THMs (93–95%) and TCNM (88–92%). These compounds are highly
volatile and occur in the air of natatorium. The presence of DBPs in air depends on their
volatility, water concentrations, temperature of water, height above surface of swimming
pool, water turbulence, humidity and air ventilation rates [16,34,45]. Inhalation was also
found to be the main route of exposure to 1,1,1-TCP for children (75–80%), whereas adults
exposed almost equally through ingestion and dermal absorption. Ingestion and dermal
absorption were the main exposure routes for HAAs, 40–82% and 18–59%, respectively.
Their relative contributing is age dependant; ingestion was the dominant exposure pathway
for children, with a decreasing trend toward adults where dermal absorption became the
main exposure pathway. This is because the inadvertent water intake varies with the age
of swimmers, their skill and experience and type of activity.

3.4. Assessment of Possible Risks

The presence of DBPs in water and air is of major human health concern because a
number of DBPs species are cytotoxic, others are carcinogenic, mutagenic or have repro-
ductive and developmental effects [4].
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3.4.1. Cytotoxicity of Pool Water

The assessment of cytotoxicity of pool water was based on the measured DBP con-
centrations in water and their effective concentration (EC50) values [13]. The relative
contribution of specific DBPs groups to the total calculated cytotoxicity of pool waters is
shown in Figure 4.

 
Figure 4. Relative contribution of DBPs groups to calculated overall cytotoxicity of water in swim-
ming pools.

THMs and HAAs contributed only to 0.5% and 24.5% of the total calculated cyto-
toxicity, respectively, although were the predominant DBP classes. NDBPs contributed
significantly (up to 75%) to the calculated cytotoxicity, although determined at lower con-
centrations, Carter et al. [3] also reported low contribution of HAAs and THMs to the
overall cytotoxicity of water in swimming pools whereas other DBP species such haloac-
etaldeydes and nitrogenous species (haloacetonitriles and haloacetamides) were the major
forcing agents of toxicity. Yeh et al. [28] who actually measured cytotoxicity of pool water
reported that HAAs, although the dominant DBPs, explained less than 4% of the observed
cytotoxicity.

Therefore, the occurrence of THMs and HAAs commonly measured in swimming
pools cannot interpret the cytotoxicity of pool water and other DBPs species, at relatively
lower concentrations, significantly contribute to this risk.

3.4.2. Non-Carcinogenic and Carcinogenic Risk

Non-carcinogenic and carcinogenic risk from the exposure to THMs and HAAs was
calculated since these DBPs were the most prominent compounds and their toxicity data
are available (Table 4).

Hazard indices for different exposure routes are illustrated in Figure 5. HI values
for both THMs and HAAs from ingestion, dermal absorption and inhalation ranged from
7 × 10−8 to 3 × 10−1, well below the acceptable maximum value of 1, suggesting that
non-carcinogenic risk was not of apparent concern.
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Figure 5. Hazard indices through different exposure routes for THMs and HAAs (boxplots represent 10th and 90th
percentiles, min and max values; circle and triangle represent mean and median values, respectively).

Carcinogenic risks due to exposure to THMs and HAAs through ingestion, dermal
contact and inhalation are shown in Figure 6. Inhalation posed the higher risk for THMs
(4 × 10−9–4 × 10−6), with values occasionally exceeding the negligible risk limit of 10−6

in some facilities, whereas risk via oral and dermal routes was low. Ingestion and dermal
contact posed the higher risk (3 × 10−8–3 × 10−6) for HAAs. Other studies also reported
high risk posed by THMs through inhalation, often exceeding the limit of 10−6 [34,39,46,47].

 

 
Figure 6. Carcinogenic risk through different exposure routes) for THMs and HAAs (boxplots represent 10th and 90th
percentiles, min and max values; circle and triangle represent mean and median values, respectively).

There is a lot of discussion regarding calculated risks and the realistic DBPs-related
risks in swimming pools. Risks could be significantly under- or over- estimated due to a
number of uncertainties and assumptions that may affect the outcome. These uncertainties
arise: (a) from the absence of RfDs and SFs values for each exposure route. In these cases,
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oral values commonly used to assess the risk via dermal exposure or inhalation. However,
this extrapolation might introduce a level of uncertainty due to differences on route-specific
rate and magnitude of absorption, (b) air concentrations in the natatorium calculated
through different approaches, in case that are not actually measured, differ by several
orders of magnitude and introduce a relevant uncertainty and, (c) other DBPs also occurred
in swimming pools that may significantly contribute to realistic DBPs-related risks [34,47].
All these assumptions and uncertainties significantly affect the final risk evaluation. This
urges for a common, approved methodology for risk assessment in swimming pools, for
monitoring requirements of DBPs in water and indoor air quality in swimming pools
facilities and for regulatory values for DBPs.

4. Conclusions

This study investigated the occurrence of various disinfection by-products, DBPs
(THMs, HAAs, HANs, TCNM and HKs) in different types of swimming pools in the area
of Thessaloniki during the period July 2019–February 2020. Moreover, water quality pa-
rameters (pH, residual chlorine, dissolved organic carbon, UV254 absorption, total nitrogen,
alkalinity and conductivity) were measured.

The concentrations of DBPs varied among swimming pools as well as within the same
pool between sampling campaigns. HAAs exhibited the highest concentrations in pool
water followed by THMs, HANs, TCNM and HKs. The dominant species were TCAA,
DCAA for haloacetic acids, TCM for trihalomethanes, DCAN, BCAN, DBAN and TCAN
for haloacetoniriles. The majority of pool waters contained higher concentrations of DBPs
and dissolved organic carbon and total nitrogen compared to filling waters. Exposure
doses by ingestion, dermal absorption and inhalation for four age groups (3–<6 y, 6–<11
y, 11–<16 y and adults) were calculated. Inhalation was the dominant exposure route for
THMs (93–95%) and TCNM (88–92%). Ingestion and dermal absorption were the main
exposure routes for HAAs, 40–82% and 18–59%, respectively. Their relative contribution
was age dependant; ingestion was the dominant exposure pathway for children, with
a decreasing trend towards adults where dermal absorption became the main exposure
pathway.

HANs, although present at lower concentrations, significantly contributed, up to
75%, to calculated cytotoxicity of pool waters. The estimation of DBPs-related health
risk was based on the measured water concentrations and the respective calculated air
concentrations. Hazard indices for different exposure routes were very low suggesting
non-carcinogenic risk. Inhalation posed the higher carcinogenic risk for THMs, with values
occasionally exceeding the negligible risk limit of 10−6, whereas risk via oral and dermal
routes was low. Ingestion and dermal contact posed the higher risk for HAAs although at
lower levels. Due to uncertainties and assumptions in the risk assessment process, further
studies are needed to comprehensively evaluate the extent and the acceptability of risks to
DBPs in swimming pools. Risk management strategies that minimise the exposure to DBPs
without compromising disinfection efficiency as well as the development of health-based
guidelines are necessary.

Supplementary Materials: The following are available online. Figure S1: Concentrations of DBPs
(mean ± sd) in swimming pools. Table S1: Spearman’s correlation coefficients (values in bold were
significant at 0.01 level, values in italics were significant at 0.05 level).
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Abstract: This study presents the application of one of the tools from the multicriteria decision
analysis set (MCDA), the Technique for Order Preference by Similarity to Ideal Solution (TOPSIS).
Selected green analytical chemistry metrics were used to rank analytical procedures for the phthalate
determination in disposable baby diapers. Nine analytical procedures were assessed in order to
find one that has the lowest environmental impact and the best analytical figures of merit. Nine
different criteria, where weighting was based on the experts’ evaluation, were used in the procedures’
assessment. With the use of TOPSIS, an easy and straightforward technique, selection of the most
appropriate procedure was made.

Keywords: disposable baby diapers; phthalate; analytical procedures; TOPSIS; MCDA; green
analytical chemistry; environmental impact

1. Introduction

Phthalates are a group of compounds derived from the esters of 1,2-dibenzene dicar-
boxylic acid. Due to their properties, they are widely applied in the industry as plasticizers
(addition of phthalates increases the flexibility and workability of high molecular weight
polymers), heat-transfer fluids and carriers (thanks to their low melting point and high
boiling point) [1].

The most commonly used phthalates are di(2-ethylhexyl) phthalate (DEHP) and the
primary metabolite mono-(2-ethylhexyl) phthalate (MEHP). However, di(n-butyl) phthalate
(DBP), diethyl phthalate (DEP), butyl-benzyl phthalate (BBP) and di(n-octyl) phthalate
(DnOP) are also abundant [2]. Phthalates are present in ink, paint, adhesives, vinyl flooring,
food packaging, furniture, toys, cosmetics and pharmaceuticals, as well as in sanitary
products [1,3].

There is a growing concern regarding the adverse effect of phthalates on human
health. There are several studies presenting the link between human exposure and certain
disease occurrences, e.g., cancer, abnormal development and thyroid function, fertility
disturbances, type 2 diabetes and cardiovascular disorders. Moreover, several phthalate
metabolites can increase the risk of obesity [3].

When it comes to exposure to phthalates, newborns and toddlers are one of the most
vulnerable groups of people due to the fact that up to the age of four, their skin is at risk
of prolonged exposure to the compounds present in disposable diapers [4]. Nowadays,
disposable baby diapers are filled with superabsorbent material, increasing their softness
and overall comfort of use. However, because of that, they can also be a source of volatile
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organic compounds (VOCs) and endocrine-disrupting chemicals, such as phthalates [5]. It
is very important to control and monitor the safety of disposable baby diapers in order to
reduce the adverse effect that studied compounds can have on the well-being of diaper-
wearing children [5].

To the best of the authors’ knowledge, only a few studies dealing with phthalate
determination in disposable baby diapers have been published within the last 10 years, as
can be seen in Table 1. However, there has been a significant increase in the number of
publications on this topic in the last two years [6–8], which indicates the importance of this
topic and increased interest in it.

Table 1. Dataset characteristics.

Criteria

Analytical Procedures

1
[9]

2
[10]

3
[11]

4
[6]

5
[7]

6
[12]

7
[5]

8
[13]

9
[8]

Analytical
methodology
abbreviation

DART-
MS/MS

MSPE/GC-
FID GC-MS GC-MS GC-MS PLE/GC-

MS LC-MS/MS GC-MS GC-MS

LOQ [mg/L] 0.001485 0.00066 0.1 0.7689 0.33 0.02376 0.0001 0.002 0.001188
LOD [mg/L] 0.00045 0.0002 NI 0.233 0.1 0.0072 NI NI 0.00036

Reagent (list of all
reagents used in
the procedure)

direct
analysis 6 mL HCl ~10 mL

DCM

83 mL
hexane,
47 mL

acetone

0.5 mL
Milli-Q
water.
10 mL
hexane.

3 mL
MeOH

100 mL
ethyl

acetate.
20 mL

methanol

6 mL
methanol

5 mL
hexane

102.2 mL
DCM,

154.8 mL
hexane

Solvent hazards 0 0 598 6878.4 861.1 1044 94.2 407 18,712.28
Reagent price

(euro)
- 0.18 0.22 3.61 0.37 5.56 0.15 0.14 8.78

Amount of
sample (g)

0.9985 0.1 0.05 0.5 0.3 5.25 0.435 0.3 100

Number of other
analytes

21 4 7 15 8 54 4 24 57

Time of
analysis (min)

few sec. 48

NI about
the

extraction
time + 37.5

86 138.5 31 36 118.66 992

Sample
throughput

few sec. 3 1 2 1 2 2 1 1

Procedure steps 2 3 3 3 2 3 2 3 4
Energy

consumption
(kWh)

3.2 1.6 2.55 1.77 4.03 1.77 3.2 2.62 2.6

Gas chromatography coupled to mass spectrometry (GC-MS) is the most widely ap-
plied technique for phthalate determination in disposable baby diapers and other sanitary
products of similar matrices. GC-MS was applied in seven out of nine research articles
gathered in Table 2. Due to sufficient volatility of phthalates, there is no derivatization
needed. However, due to the complicity of the matrix, there is a need for extraction prior
to the chromatographic analysis. According to the published scientific reports, solvent
extraction is preferred.

Table 2. Weights applied for TOPSIS according to the scenario.

Scenario

LOQ 0.01

Solvent hazards 0.28

Reagent price 0.05

Amount of sample 0.01

Number of other analytes 0.2

Time of analysis 0.15

Sample throughput 0.15

Procedure steps 0.05

Energy consumption 0.1
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Although there is an increasing number of research articles depicting phthalate deter-
mination in different sanitary products, there is a lack of critical comparisons of developed
methodologies in terms of both the parameters of analytical figures of merits as well as
their green character. It is obvious that modern analytical procedures should be designed
keeping in mind both the requirements of green analytical chemistry and the necessity of
sustainable development. Multicriteria decision analysis (MCDA) can be applied in the
assessment of the environmental impact of different approaches to phthalates determina-
tion. In MCDA, a set of tools such as the Preference Ranking Organization METHOD for
Enrichment of Evaluations (PROMETHEE) [14] or Technique for Order of Preference by
Similarity to Ideal Solution (TOPSIS) [15] are used to rank procedures.

This work aims to fill the gap of knowledge in the field of simultaneous assessment
of validation parameters and environmental impact of available procedures for phthalate
determination in baby sanitary products. Moreover, the applicability of TOPSIS as the
appropriate method selection is described. This case study was aimed at finding a green
analytical procedure for phthalate determination in diapers and related product samples.
The present study stands as a starting point for future research concerning the safety of
newborns and toddlers exposed to the chemicals released from disposable baby diapers.
We believe that this work will benefit those who research phthalates in sanitary products
and will enable the development of methods with minimal influence on the environment.

2. Result and Discussion

2.1. Clustering of Variables

Cluster analysis facilitates finding possible correlations between variables and data di-
mensionality reduction. According to the results (Figure 1), three clusters can be identified
(the cut-off was set to 60% of the distance, to a maximum distance ratio from 10 criteria).

Figure 1. Results of cluster analysis grouping of variables.

The obtained results from the clustering of variables are as follows:
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i. There are several correlations between selected variables observed: LOD and LOQ
can be further treated as a single variable. The relation between LOD and LOQ is
the following: LOQ = 3 × LOD, which was calculated either by the authors of the
investigated procedures or by the authors of this study. Therefore, the resulting
determination coefficient R2 = 1.

ii. Time and amount of sample are correlated, which indicates that more time is needed
for the preparation and analysis of a larger sample. Correlation is affected mostly by
Procedure 9, which is an outlier, described in more detail later;

iii. Solvent hazard variability is correlated with two former variables. It indicates that a
large number of solvents are needed to extract analytes from large samples;

iv. The price of solvents is correlated with the number of analytes, which is an indication
that multianalyte procedures require larger inputs in terms of solvents;

v. The number of analytical steps is correlated with two former variables. Thus, it can be
concluded that more analytical steps are needed to deal with multianalyte situations.
On the other hand, a higher number of steps requires higher solvent contribution;

vi. Both groups (time, amount of sample and solvent hazards, as well as solvent price,
number of analytes and number of steps) are loosely correlated;

vii. The last cluster consists of energy and sample throughput. Sample throughput
measures the number of analyses that can be performed within one hour, which is
related to the energy consumption. The higher the sample throughput, the less energy
is needed for a single analysis.

2.2. Clustering of Analytical Procedures

According to the cluster analysis (Figure 2), the clustering of objects shows the follow-
ing patterns:

Figure 2. Cluster analysis results of analytical procedures grouping.

i. Procedures 3 and 8 are more loosely related to 2;
ii. Procedures 5, 7 and 1 are also somehow related;
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iii. Procedure 9 is an outlier.

Going in-depth, the first cluster, which gathers procedures 3, 8 and 2, clusters method-
ologies based on the same analytical technique; procedures 3 and 8 use gas chromatography
coupled to mass spectrometry (GC-MS), while procedure 2 uses gas chromatography with
flame ionization detector (GC-FID). However, all of them are characterized by a simi-
lar amount of solvent used, the same number of procedures steps and similar energy
consumption.

The second cluster grouped procedures 5 (based on the liquid chromatography cou-
pled to tandem mass spectrometry (LC-MS/MS), 7 (based on GC-MS) and 1 (DART-
MS/MS). All of them are characterized by the same number of procedure steps and similar
energy consumption.

Procedure 9 is an outlier since the amount of solvent used during the analysis was ten
times higher than in the rest of the analytical procedures described before. This procedure
significantly differs from the others in terms of solvent hazards and time of analysis (six
times longer).

2.3. Ranking

The application of TOPSIS requires setting the ranking of the weights of all the vari-
ables (gathered in Table 1). The weights were applied based on the variable’s importance
in the context of green chemistry and analytical figures of merit. Thus, LOQ is given a very
low weight as all analytical procedures have satisfactory LOQ. The number of samples is
of little importance as diapers are not very expensive and easy to obtain. Reagent price
is given relatively low weight as it is within a satisfactory range. The number of steps
is given the same weight of 0.05 due to little variability. The highest weight is given to
solvent hazards as it is the most influential factor of the analytical procedure’s greenness
assessment. The number of analytes and two time-related criteria are given high weight
values, as all criteria describe the amount of analytical information obtained in a reasonable
unit of time. Energy consumption is given a moderate weight as it should not be minimized
but is not critical in terms of optimization of analytical methodologies.

The ideal methodology is characterized by the best parameters that could be
achieved [16]. After the application of TOPSIS ranking (Table 3), it can be seen that pro-
cedure 1, DART-MS/MS, is the closest to the ideal analytical procedures. Direct analysis
in real-time does not require the sample preparation step and there is no solvent usage,
which is a significant advantage, resulting in the highest place in the ranking. Second,
achieving a 0.677 score, is a procedure based on the liquid chromatography coupled to
tandem mass spectrometry (procedure 6). The least ideal solution and the last place in the
ranking is dedicated to the outlier—procedure 9. This is not a surprising result since the
use of this procedure takes six times longer than the others. Furthermore, it obtained the
highest solvent hazard score.

Table 3. Ranking results of analytical procedures according to a given scenario.

Scenario

Procedure Number Similarity to an Ideal Solution

1 0.799

6 0.677

8 0.638

2 0.616

7 0.612

3 0.609

5 0.599

4 0.521

9 0.268

123



Molecules 2021, 26, 7009

3. Materials and Methods

3.1. Dataset Creation

The dataset used for TOPSIS analysis was collected from the research papers published
in the Web of Science, Scopus, Science Direct and Nature databases. Specific keywords
like phthalate, disposable baby diapers, and newborns were applied in order to find
publications of interest. Due to the matrix similarity, sanitary pads, wipes and toilet tissue
paper were also taken under consideration.

3.2. Cluster Analysis

Cluster Analysis (CA) belongs to a set of multivariate statistical tools that allow for
grouping objects and variables according to their similarity. Briefly, the unsupervised
algorithm finds an internal pattern in the set of data with no previous considerations on
the dataset. The similarity (or dissimilarity) of objects or variables is calculated on the basis
of correlation or distance. The grouping of both variables and objects is performed with
the Euclidean distance and cluster formation method after Ward. After standardization of
the initial dataset, CA calculations are performed with Statistica12 software. More details
about the algorithm may be found elsewhere [17].

3.3. TOPSIS

One of the frequently applied MCDA algorithms is TOPSIS. This is an expert system
that is applied for decision making and was developed in 1981 by Hwang and Yoon [18].
The analysis leads to the final ranking of all alternatives; as a result, the selection of the best
option among all available is easily possible. The alternative that has the shortest distance
to the positive ideal solution and the farthest distance to the negative ideal solution at the
same time is the winner.

The assessment procedure for MCDA can be performed in a few simple steps. In
the beginning, the main aim of the analysis should be clearly stated. This case study is
aimed at finding a green analytical procedure for phthalate determination in diapers and
related product samples. The dataset prepared for application in MCDA methodology
consists of criteria and alternatives, which should be clearly defined. Generally, criteria
are parameters that describe the set of alternatives and make the evaluation easy and
systematic. Alternatives are available options that allow reaching the goal stated in the
aim of the MCDA study. All the alternatives must be described by criteria expressed with
numerical values or at least they must be easily transformable into numbers. In the next
step of MCDA assessment, the assigning of proper weight values to each criterion is done.
This means that there is a possibility to differentiate the importance of criteria.

The last step is the application of the TOPSIS algorithm. Its mechanism can be
described in several steps, as described in other papers [19]. All TOPSIS calculations were
performed in the Excel program (Microsoft 2016).

3.4. The Dataset

Based on the literature reports available in the Web of Science and Scopus databases,
nine analytical methodologies were found and applied to a given research problem. All of
them were described by certain variables, which were used to set the criteria for clustering
analysis in order to find parameters that are the most significant in choosing the best
methodology. In this context, the term “the best” corresponds to the methodology, which is
described by the most relevant analytical figures of merit as well as meets the requirements
of green analytical chemistry. Thus, ten criteria were established in order to perform the
first grouping:

• number of steps necessary to perform the analysis;
• number of analytes determined in the single run;
• the solvent prize, taken from the website for the Polish market, with prices recalculated

based on the price for 1 L;
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• the time needed to perform the analysis (extraction time + time of chromatographic
analysis);

• amount of sample used for the analysis;
• solvent hazards, which was calculated according to [20];
• energy consumption during a single run;
• sample throughput calculated as 60 min divided by the time of chromatographic

analysis;
• limit of detection (LOD) and limit of quantification (LOQ), calculated as 3.3 × LOD.

Such a selection of variables comprehensively covers many aspects of the procedure
assessment. They deal with the most basic metrological parameters but also refer to
many green analytical chemistry aspects (solvents applied, energy consumed) and general
performance (number of analytes, analysis time, number of procedural steps, analytical
throughput) of the procedure.

All the data gathered for the MCDA and CA analyses are presented in Table 3.

4. Conclusions

In this study, TOPSIS was applied for the selection of the most relevant analytical
procedure for the phthalate determination in disposable baby diapers. According to data
analysis and procedures rank, the procedure that gained the best result was the direct
analysis in real-time (DART) coupled to mass spectrometry (MS) technique. The lack of
sample preparation is a crucial advantage of the given technique. Apart from the low
impact on the environment, good metrological parameters were observed. Multicriteria
decision analysis is a useful approach for the selection of procedures meeting the green
analytical chemistry requirements.
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Abstract: The demand for natural fungicides to replace synthetic ones has surged since toxic residues
persist in soils, causing environmental contamination and posing a serious threat to worldwide
public health. In the context of crop protection and enhancing the efficiency and safety of fungicides,
nanotechnology is an eco-friendly strategy in managing fungal pathogens. In the present study,
essential oils were isolated from the peels of four citrus fruits (Citrus lemon, Citrus aurantifolia, Citrus
maxima, and Citrus sinensis) and were investigated using gas chromatography-mass spectrometric
analysis. Monoterpene hydrocarbon was the most predominant group and limonene was the most
abundant in the four oils. The antifungal potential of the oils was investigated, and the most active oil
(Citrus lemon) was loaded into hexosomal dispersion, and its antifungal potential was retested against
the same fungi. The structurally unique nano-based formulation showed great potency for fungal
control. To the best of our knowledge, it is the first time the oil of Citrus lemon in nano-hexosomes
has been formulated and its fungicidal activity examined. The data collected suggest that citrus
essential oils (CEOs), especially when nano-formulated, could be successfully used in integrated
fungus management programs.

Keywords: fungicides; citrus; essential oil; nanotechnology; hexosomes; environmental contamination

1. Introduction

Fungal plant pathogens play a crucial role in plant production [1]. These pathogens
can significantly reduce the productivity and quality of field crops and this is becoming
a more pressing concern for human health and the global economy and costs billions of
dollars annually [1,2].

Agricultural crops are exposed to more than 10,000 pathogenic fungi that are known
to cause important plant diseases [3], resulting in a significant loss in agricultural crops
and reduction of world food production. Farmers generally rely on the use of synthetic
fungicides to control plant diseases caused by pathogenic fungi; however, misuse of these
fungicides can cause serious health and environmental problems [3].
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One of the most important fruit crops in the world is citrus [4]. Citrus is grown in
over 100 nations throughout the world, primarily in tropical and subtropical regions. As a
byproduct of citrus fruit processing, a vast quantity of residual peels is generated, which
add no value to the product even though they are discarded or dumped, presenting an en-
vironmental problem [5]. Citrus peels have received much attention for their potential use
as value-added products because they contain numerous biologically active compounds,
including natural antioxidants and essential oils [6,7].

Citrus essential oils (CEOs) have been utilized for therapeutic and health purposes in
numerous cultures since ancient times for antibacterial, antiviral, antifungal, anticarcino-
genic, antimutagenic, anti-inflammatory, and antioxidant properties [8]. The numerous
health benefits linked to the use of CEO have been well-documented. In addition to
medicinal and health applications, CEO is increasingly being used in the food sector, food
packaging, and agriculture. Synthetic chemical compounds that are more hazardous or
to which pests, bacteria, or fungi have proven resistance are being replaced with essential
oils [9]. Essential oils have been shown to be more effective than chemical preservatives
in reducing pathogen growth and delaying food spoiling in several studies. Citrus tri-
foliata L. essential oil’s insecticidal and fungicidal activities against Spodoptera littoralis,
Fusarium oxysporum, and Fusarium solani are examples of citrus essential oils’ potential
activity [10,11]. Furthermore, they are free of the negative health hazards connected with
synthetic pesticides and fungicides.

Despite their promising features, essential oil-based insecticides have significant
limitations linked to their chemical nature (e.g., volatility, poor water solubility, and envi-
ronmental degradation) [12], which can limit their application. Because of the small size of
the particles, encapsulating essential oils inside nanoparticles could alleviate these issues
by further enhancing efficacy [11,13]. Essential oils as well as the other botanical products
have become a prevalent option for searching new fungicidal agents to be incorporated into
the fungus management programs. Nanoencapsulation of fungicidal essential oils would
optimize the fungus control system through the effective protection of active ingredients,
reducing the need for high doses, the toxicity, and offering protection against environmen-
tal degradation and loss. Nanoencapsulation offers significant potential for increasing
agricultural productivity while reducing environmental and human health impacts [14,15].

Herein, the fungicidal activity of the essential oil obtained from the peels of Citrus
lemon, Citrus aurantifolia, Citrus maxima, and Citrus sinensis were assessed against seven
pathogenic fungi that have been reported as pathogenic to humans too [16–19], namely
Rhizoctonia solani, Sclerotium rolfsii, Fusarium solani, Fusarium oxysporum, Fusarium semtectium,
Botrytis cinerea, and Alternaria alternata. In the presented study, a nano-based valorization
approach is reported to establish a novel hexosomal system containing the most active
essential oil, allowing for an enhancement of the efficiency of natural fungicides, reducing
costs and increasing competitiveness.

2. Results and Discussion

2.1. Chemical Composition of Different Citrus Peels’ Essential Oils

The results obtained by GC-MS analysis of C. lemon, C. aurantifolia, C. maxima, and C.
sinensis peel essential oils are presented in Table 1. Twenty-four compounds were identified,
constituting 97.66%, 94.93%, 99.99%, and 99.93% of the citrus peels essential oils under
investigation, respectively. Analysis of C. maxima and C. sinensis oil revealed that most of
the compounds were monoterpenes, where limonene represented the major one, with the
percentages (97.51% and 96.71%) in agreement with previously published data [11,20]. C.
lemon and C. aurantifolia essential oils’ composition showed that the percentage of monoter-
penes is 64.13% and 80.34%, respectively. The oxygenated hydrocarbon composition is
higher in C. lemon and C. aurantifolia, with percentages of 33.53% and 14.59%, respectively.
High concentrations of oxygenated hydrocarbons in C. lemon and C. aurantifolia could be
attributed to the strong antifungal activities of these oils [21]. They could synergistically
increase the effect of limonene and other monoterpene hydrocarbons [22].
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Table 1. Essential oil composition of C. lemon, C. aurantifolia, C. maxima, and C. sinensis.

No. RT RI Identified Compounds
Area Percentage

C. lemon C. aurantifolia C. maxima C. sinensis

1 7.344 948 α-Pinene 0.83 0.72 0.43 0.29
2 7.772 955 Camphene 0.23 – – –
3 8.643 982 β-Pinene 11.15 7.63 0.49 –
4 9.086 991 β-Myrcene 0.87 0.79 1.24 1.05
5 10.126 998 p-Cymene 1.14 0.88 – –
6 10.360 1018 D-Limonene 44.36 61.89 97.51 96.71
7 11.189 1063 γ-Terpinene 2.91 7.50 – –
8 12.098 1079 α-terpinolene 1.53 0.93 – –
9 12.471 1082 Linalool 1.69 2.14 0.09 1.53
10 12.615 1097 Nonanal 0.17 – – –
11 12.905 1098 Fenchol 0.39 0.14 – –
12 13.856 1121 Camphor – – – 0.24
13 14.579 1125 p-Mentha-1,5-dien-8-ol 1.02 0.33 – –
14 14.878 1137 Terpinen-4-ol 2.79 2.03 – –
15 15.307 1143 α-Terpineol 9.95 6.43 0.23 0.11
16 16.793 1174 β-Citral 13.51 2.52 – –
17 16.904 1190 Carvone 3.53 0.68 – –
18 17.198 1228 cis-Geraniol 0.48 – – –
19 17.815 1268 Perillaldehyde – 0.32 – –
20 20.895 1339 β-Bourbonene 0.13 – – –
21 21.845 1410 Caryophyllene 0.13 – – –
22 23.475 1515 Germacrene D 0.1 – – –
23 24.115 1518 cis-α-Bisabolene 0.64 – – –
24 25.439 1603 Germacrene B 0.11 – – –

Percentage of identified constituents 97.66 94.93 99.99 99.93
Percentage of identified hydrocarbons 64.13 80.34 99.67 98.05

Percentage of oxygenated hydrocarbons 33.53 14.59 0.324 1.88

2.2. Preparation and Characterization of Nano-Hexosomal Dispersions

The hexosomal system with its unique architecture is a promising nanoplatform that
is capable of being loaded with hydrophobic and hydrophilic active molecules. In the
current study, the hexosomal system was successfully prepared by the hot emulsification
method. The melted lipids (glyceryl monooleate (GMO)/oleic acid together with volatile
oil) were emulsified into an aqueous phase containing a stabilizer (Pluronic F127) at 70 ◦C.
The presence of oleic acids changes the GMO effective packing parameter that induces the
phase transition from the cubic phase (cubosomes) to the hexagonal phase (hexosomes).
The prepared volatile oil-loaded hexosomal system showed a particle size (PS) in the nano-
range (210.35 ± 3.18 nm) and acceptable polydispersity index (PDI) values (0.31 ± 0.0.6).
Moreover, the prepared system demonstrated a negative and zeta potential (ZP) value
(−16 ± 0.84 mV), as shown in Figure 1. This negative surface charge is probably attributed
to the presence of a carboxylic end group in the fatty acid, oleic acid [23]. A representative
transmission electron microscope (TEM) of the volatile oil-loaded hexosomal system is
illustrated in Figure 2, where nearly hexagonal nonaggregated particles were observed.

2.3. Antifungal Activity of Different Citrus Oil and Nano-Hexosomal Formula of the Most
Active One

Different citrus peel essential oils (C. lemon, C. aurantifolia, C. maxima, and C. sinensis)
were assessed against different phytopathogenic fungi (Rhizoctonia solani, Sclerotium rolfsii,
Fusarium solani, Fusarium oxysporum, Fusarium semtectium, Botrytis cinerea, and Alternaria
alternata). All tested CEOs exerted strong antifungal activity in a dose-dependent manner
where percentage inhibition increased with higher doses, as illustrated in Figure 3. C. lemon
and C. aurantifolia essential oils with a concentration of 100 μL/mL showed complete
inhibition of S. rolfsii, F. solani, and F. oxysporum mycelium growth, as shown in Figure 3.
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The lowest IC50 was recorded with F. oxysporum (36.92, 41.72), S. rolfsii (37.59, 45.60),
and F. solani (42.17, 50.79 μL/mL) in case of C. lemon and C. aurantifolia, respectively. On
the other hand, B. cinerea was more tolerant to C. lemon with a high IC50 (78.60 μL/mL)
compared to the other fungi. From the above results, it is evident that C. lemon and
C. aurantifolia exert potent fungi toxic effects.

Figure 1. Particle size distribution and zeta potential of Citrus lemon essential nanohexosomes.

The results in Table 2 and Figure 3 indicate that the treatment with C. maxima and
C. sinensis reduced the linear growth of all tested phytopathogenic fungi at concentrations
of 100, 200, 300, and 400 μL/mL. They exerted complete inhibition of mycelium growth
for S. rolfsii, R. solani, and F. oxysporum with a concentration of 400 μL/mL, as represented
in Figure 3. R. solani was more resistant to C. maxima and C. sinensis, the IC50 of which
was the lowest concentrations (191.1 and 180 μL/mL), respectively, compared to the other
fungi. On the other hand, F. solani was more tolerant to C. maxima and C. sinensis, the IC50
of which was highest concentrations (395.9 and 457.9 μL/mL), respectively, compared to
the other fungi. Their potent antifungal activity could be related to the high concentration
of monoterpenes, especially limonene [20,24]. CEOs showed a strong fungi toxic effect
through damage and loss of integrity, the rigidity of the cell wall and retraction of cytoplasm
in the hyphae, and finally, death of the mycelium as reported in previous studies [25,26].
C. lemon essential oil is the only one that inhibited the mycelial growth of Alternaria
alternata, with IC50 of 229.1 μL/mL. C. lemon essential oil is the most active oil with a
high concentration of oxygenated compounds that could synergize the antifungal effect
of monoterpene hydrocarbons [27]. The nano-hexosomal formula was prepared from
the most active one (C. lemon essential oil), to boost its antifungal activity and allow the
production of a natural potent pesticide drug against dangerous phytopathogenic fungi
that affect many commercial crops and plants.
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Figure 2. Transmission electron micrographs of different nano-hexosomal dispersions of C. lemon.

Figure 3. Mycelial growth % inhibition with different concentrations (μL/mL) of citrus essential oils
(A: C. lemon, B: C. aurantifolia, C: C. maxima, D: C. sinensis) against different phytopathogenic fungi.
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Table 2. IC50 of Citrus essential oils and hexosomal dispersion of C. lemon against different phytopathogenic fungi.

Plant Oil

IC50 (μL/mL)

Rhizoctonia
solani

Sclerotium
rolfsii

Fusarium
solani

Fusarium
oxysporum

Fusarium
semtectium

Botrytis
cinerea

Alternarai
alternata

Citrus lemon 45.29 37.59 42.17 36.92 55.92 78.60 229.10
Citrus aurantifolia 66.52 45.60 50.79 41.72 70.03 53.56 0

Citrus maxima 191.10 159.00 395.90 232.70 290.70 294.80 0
Citrus sinensis 180.50 217.40 457.90 216.20 236.70 351.40 0
Citrus lemon

nano-hexoosome
416.00 324.90 193.70 124.30 534.00 549.40 95.54

The treatment potato dextrose agar (PDA) medium with nano-hexosomes of C. lemon
essential oil at different concentrations showed a potent antifungal effect against different
phytopathogenic fungi under investigation, as illustrated in Figure 4. It was the most
effective in inhibiting the mycelial growth of F. solani, which reached 100% inhibition at
600 μL/mL, while at 800 μL/mL, it completely inhibited the mycelial growth in the case
of S. rolfsii, F. oxysporum, and A. alternata. Nano-hexosomes have a moderate effect on R.
solani, B. cinerea, and F. semitectium, with IC50 of 416, 549.4, and 534 μL/mL, respectively.
Nano-hexosomes of C. lemon essential oil showed potent activity against A. alternata, with
IC50 of 95.54 μL/mL. Although CEOs did not inhibit A. alternata growth, only C. lemon
weakly inhibited it, as shown in Figure 5. The current study proved that nano-hexosomes
are among the most cost-effective drug-loaded lipid-based system that delivers essential
oils in their bioactive form. CEO represent only 10% of the nano-hexosomes formula, so a
low amount of oil is needed; thus, it is commercially useful to use this formula instead of
chemical pesticides that show toxicity and harm to humans. Essential oils are composed
of volatile constituents and undergo enzymatic reactions that decrease their activity and
limit essential oil use [28]. Encapsulation of essential oil in a drug delivery system via
nanotechnology overcomes the previously mentioned problems and improve its stability,
bioavailability, and biological activities [11,28]. So, the CEOs nanohexosomes in our study
potentiate the antifungal activity of the oil.

Figure 4. Mycelial growth % inhibition of Citrus lemon nanohexosomal formula.
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Figure 5. Mycelial growth % inhibition of Citrus lemon essential oil and its nano-hemosome formula.

3. Materials and Methods

3.1. Materials

Fruits of Citrus lemon, Citrus aurantifolia, Citrus maxima, and Citrus sinensis were
collected from Horticulture Research Institute, Giza, Egypt. The plant’s authenticity was
generously validated by Mrs. Therese Labib, Botanical Specialist and consultant at Orman
and Qubba Botanical Gardens, Giza, Egypt. Glyceryl monooleate (GMO), oleic acid, and
Pluronic F127 (MW: 12,600 Da) were purchased from Sigma- Aldrich.

3.2. Methods

Preparation of the essential oil from fruits.
Peels of the fruits were washed, dried, and powdered mechanically. Their essential

oils were extracted by hydro-distillation in a Clevenger’s apparatus for 5 h according to
the procedure described in the Egyptian Pharmacopeia [29]. The essential oils were dried
with anhydrous sodium sulphate and stored in amber glass vials at 4 ◦C for use in further
chemical and biological studies.

3.2.1. GC-MS Analysis and Quantification

Mass spectra were recorded using Shimadzu GCMS-QP2010 (Tokyo, Japan) equipped
with a Rtx-5MS fused bonded column (30 m × 0.25 mm i.d. × 0.25 μm film thickness)
(Restek, Bellefonte, PA, USA) equipped with a split–splitless injector. The capillary column
was coupled to a quadrupole mass spectrometer (SSQ 7000; Thermo-Finnigan, Bremen,
Germany). The initial column temperature was held at 45 ◦C for 2 min (isothermal)
and programmed to 300 ◦C at a rate of 5 ◦C/min and kept constant at 300 ◦C for 5 min
(isothermal). The injector temperature was 250 ◦C. The helium carrier gas flow rate was
1.41 mL/min. All the mass spectra were recorded applying the following conditions:
(equipment current) filament emission current, 60 mA; ionization voltage, 70 eV; ion source,
200 ◦C. Diluted samples (1% v/v) were injected with split mode (split ratio 1: 15). The
sample (1 μL) was injected automatically into the chromatograph using an AOC-20i auto-
sampler. Volatile components were deconvoluted using AMDIS software (www.amdis.net)
and identified by its mass spectrum matching to the database and with authentic standards
(when available) [30].

3.2.2. Preparation of Hexosomal Dispersion

Hexosomal dispersions loaded with volatile oils were prepared using a hot emulsifica-
tion method as described by Abdel-Bar et al. [31], with slight modifications. In brief, GMO
(1 g), oleic acid (0.5 g), and volatile oil (1 g) were weighed accurately in a glass vial and
allowed to melt at 70 ◦C. Pluronic F127 (0.5 g) was dissolved in deionized water (7 g) at the
same temperature. The molten lipid phase was slowly added into the aqueous phase and
homogenized for 5 min at 70 ◦C. The final milky dispersion was allowed to cool gradually
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to room temperature. It was kept in glass vials at 2–8 ◦C for further studies. The final
concentrations of the hexosomes’ components (GMO, oleic acid, volatile oil and Pluronic
F127, and deionized water) were 10, 5, 10, 5, and 70% w/w, respectively.

3.2.3. Measurement of Particle Size, Polydispersity Index, and Zeta Potential

The average particle size (PS) and size distribution expressed as the polydispersity in-
dex (PDI) were estimated by dynamic light scattering (DLS) at 25 ◦C using a Zetasizer Nano
ZS (Malvern Instruments, Malvern, UK) [32,33]. The zeta potential (ZP) was determined
by the same instrument [34,35]. Prior to performing the determinations, all dispersions
were appropriately diluted (100 times) using distilled water. Triplicate measurements were
always obtained for each determined response [36,37].

3.2.4. Transmission Electron Microscopy (TEM)

The morphology of the volatile oil-loaded hexosomal system was envisioned via TEM
(Joel JEM 1230, Tokyo, Japan). A copper grid was loaded with the diluted dispersion, which
was subjected to negative staining with aqueous solution of phosphotungstic acid (2% w/v)
for a duration of 5 min. Drying of the grid at ambient temperature for 10 min was then
followed prior to visualization under a transmission electron microscope [35].

3.2.5. Fungal Strains

Cultures of plant pathogenic fungi (Rhizoctonia solani, Sclerotium rolfsii, Fusarium solani,
Fusarium oxysporum, Fusarium semtectium, Botrytis cinerea, and Alternaria alternata) were
provided by fungicide, Bactericide and Nematicide Department, Central Agricultural
Pesticide Laboratory (CAPL). Each fungus was maintained on potato dextrose agar (PDA)
and stored at 5 ◦C for further studies.

3.2.6. Antifungal Assay

The antifungal activity of CEOs and hexosomal dispersion of C. lemon was determined
by the food poisoned technique [38,39]. Different concentrations of CEOs (μL/mL) were
mixed with 50 mL of sterilized PDA medium and transferred equally into three petri dishes.
The media was allowed to solidify. Then, a seven-day-old fungal culture disk with a 6
mm diameter was taken and inoculated to the center of the petri dishes containing plant
extracts. PDA medium without plant extract served as a control. All dishes were incubated
at 27 ± 2 ◦C and the radial growth of colonies was measured when the mycelia of the
control had almost filled the petri dishes. Each test was performed in triplicate.

The fungal growth inhibition was calculated according to the treatment against the
control using the following formula [40]:

% inhibition = C − T/C × 100 (1)

where C is the average of three replicates of hyphal extension (mm) of the control and T is
the average of three replicates of hyphal extension (mm) of plates treated with the tested
material.

IC50 was calculated as the concentration of the tested compound that decreases the
mycelial growth by half between the base and the maximum.

3.2.7. Statistical Data Interpretation

Data analysis and graphs were made using the GraphPad Prism Version 9 program.
The data are expressed as an arithmetic mean, standard deviation, and 95% confidence
interval for the IC50 parameter. P values less than or equal to 0.05 were considered
statistically significant.

4. Conclusions

Results of the antifungal screening in this study support the recommendation of
authors to use CEOs obtained from the peels of C. lemon, C. aurantifolia, C. maxima, and
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C. sinensis as a first defense line against a wide spectrum of phytopathogenic fungi. The
antifungal potential of C. lemon and C. aurantifolia could be attributed to the synergetic
effect of their oxygenated hydrocarbons together with the limonene content. CEOs as
natural fungicides are considered valuable sources for fungal control without the toxicity
and the health hazards connected with synthetic fungicides. Besides, their use in crop
management protocols aids in managing the residual peels generated during citrus fruit
processing, which solves an environmental problem and compensates for economic losses.
The introduction of the most active essential oil (C. lemon) into a hexosomal dispersion was
performed to create a potential nano-fungicide against plant fungal pathogens. The nano-
hexosomes of C. lemon essential oil exhibited powerful fungicidal activity that exceeded
the oil itself specially against A. alternata. The presented results indicate that the nano-
hexosomal dispersion helped to boost the antifungal properties of the oil and can be used
as a natural nano-fungicide in plant pathogen control. Concisely, it is considered a potential
carrier for enhancing the fungicidal activity of CEOs and can be used in integrated fungus
management programs.
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Abstract: Green synthesis of silver nanoparticles (AgNPs) employing an aqueous plant extract has
emerged as a viable eco-friendly method. The aim of the study was to synthesize AgNPs by using
plant extract of Sanvitalia procumbens (creeping zinnia) in which the phytochemicals present in plant
extract act as a stabilizing and reducing agent. For the stability of the synthesized AgNPs, different
parameters like AgNO3 concentration, volume ratios of AgNO3, temperature, pH, and contact
time were studied. Further, AgNPs were characterized by UV–visible spectroscopy, FT-IR (Fourier
Transform Infrared Spectroscopy), XRD (X-ray Diffraction), SEM (Scanning Electron Microscopy),
and EDX (Energy Dispersive X-ray Spectrometer) analysis. FT-IR analysis showed that the plant
extract contained essential functional groups like O–H stretching of carboxylic acid, N–H stretching
of secondary amides, and C–N stretching of aromatic amines, and C–O indicates the vibration of
alcohol, ester, and carboxylic acid that facilitated in the green synthesis of AgNPs. The crystalline
nature of synthesized AgNPs was confirmed by XRD, while the elemental composition of AgNPs
was detected by energy dispersive X-ray analysis (EDX). SEM studies showed the mean particle
diameter of silver nanoparticles. The synthesized AgNPs were used for photocatalytic degradation
of Orange G and Direct blue-15 (OG and DB-15), which were analyzed by UV-visible spectroscopy.
Maximum degradation percentage of OG and DB-15 azo dyes was observed, without any significant
silver leaching, thereby signifying notable photocatalytic properties of AgNPs.

Keywords: green synthesis; Sanvitalia procumbens; silver nanoparticles; azo dyes degradation

1. Introduction

Metal nanoparticles have a variety of features in various fields. Since the sizes, di-
mensions, and compositions of metallic nanomaterials are all tied to their optical, physical
and chemical properties, nanoscale materials have already been used in a wide range
of applications [1]. Nanostructured metallic nanoparticles with extraordinary tunable
complex surface plasmon, optoelectronics, biomedical, and catalytic properties were cre-
ated owing to their high surface area to volume ratio and limited effort to the surface
functionalization [2]. Despite the fact that many metals occur in nature, only elements such
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as silver, palladium, platinum and gold are widely synthesized for their nanostructured
aspect [3]. Silver nanoparticles (AgNPs), among the metals listed above, have drawn a
great deal of interest because of their unique properties for use in the textile industries,
agriculture, water detoxification, pharmaceutics, and as a catalyst in oxidation reactions
and air filtration [4–7]. Chemical, physical, electrochemical, irradiative, photochemical,
and biological methods are now available for the synthesis of silver nanoparticles [8,9].
Since most of these methods involve the use of hazardous chemicals and extreme reaction
conditions, this often results in chemical toxicity and environmental contamination. The
detrimental effects of chemical processes, as well as the growing focus on green chemistry,
have increased the importance of biological methods for the synthesis of AgNPs [10,11].
Because of their versatility, organic design, and profitability, biomediated methods are
considered a viable alternative to physical and chemical methods. Several groups have
reported on the synthesis of silver nanoparticles by using different plants extract like
Andrographis paniculata [12], Cathranthus roseus [13] and Rhynchosia suaveolens [14], which
act as a reducing and stabilizing agent.

Recently, silver nanoparticles (AgNPs) have risen in prominence due to their wide
range of applications in biomedicine such as anticancer [15], antibacterial [16], and an-
tioxidant activity [17]. AgNPs toxicity has been linked to an increase in the synthesis of
reactive oxygen species (ROS), which causes the release of silver ions to occur [18]. ROS
development may induce oxidative stress, which is basically the reported mechanism of
AgNP’s toxicity, by lowering superoxide dismutase (SOD) and glutathione (GSH) levels
and raising the lipid peroxidation levels in cells [19,20]. Nowadays, textile and synthetic
dyes cause pollution that threaten living organisms and also contribute to changes in the
climate. One of the possible strategies for achieving meaningful remediation is the catalytic
degradation of synthetic pollutants by nanoparticles. Plant-mediated nanoparticles have
proven to be effective photocatalytic agents in the fight against organic pollutants [21].
Numerous techniques like oxidation, adsorption, ion-exchange, chemical coagulation, and
biological photocatalysis are available to overcome this issue [22]. AgNPs from Phaseolus
vulgaris have recently been shown to degrade 4-nitrophenol, reactive red 141 dyes [23], and
other fabricated AgNPs designed from Solanum surattense, which are utilized as an efficient
catalyst towards Rhodamine B (RhB) [24]. Green synthesis of AgNPs has a wide range of
applications for dye removal in a practical operating system that produces less sludges
than other methods.

In the light of other discrepancies, different biological methods have reported on the
synthesis of AgNPs and on the photocatalytic activities of other dyes. So, this work was
carried out to synthesize AgNPs using Sanvitalia procumbens (S. procumbens) aqueous plant
extract, and then to explore the photocatalytic applications of the synthesized AgNPs. The
synthesis of AgNPs using aqueous extract of this plant and its photocatalytic degradation
of azo dyes (Orange G and Direct blue-15) has not been reported in literature, and in this
article we are reporting it for the first time. According to an ethnobotanical survey of weeds
in the state of Mexico, S. procumbens (ornamental perpetually flowering plant) is one of
the major plant families of commercial importance for medicinal, herbal, culinary, and
ornamental uses [25]. Thus, the medicinally essential S. procumbens aqueous plant extract
has since been used as a possible bioreducing agent for the green synthesis of AgNPs in
such a cost-effective and environmentally sustainable manner. In light of the foregoing,
the current study was conducted to produce low-cost, clear, and easily reusable AgNPs
from S. procumbens that contains bioreductants and stabilizers such as alkamides, phenolics,
proteins, and terpenoids, which are responsible for the reduction of Ag+ to Ag0 [25–28].
Sanvitalia procumbens-based silver nanoparticles can be highly reproducible. Large-scale
utilization assessing the reproducible process can show the natural variability that occurs
in the chemical composition of plant species that grow at the month of December, as well
as assess how a plant can be used for this purpose so that the entire plant extract can
be gainfully utilized in the process. Furthermore, the elemental composition, geometry,
morphological, and optical study of synthesized AgNPs was carried out by using var-
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ious techniques such as Energy Dispersive X-ray analysis (EDX), X-ray Diffractometer,
Scanning Electron Microscope (SEM), Fourier Transform Infrared Spectroscopy (FT-IR),
and UV–visible spectrophotometry. Moreover, the current study also assessed potential
applications in the environment via green-synthesized AgNPs for the photocatalytic degra-
dation of hazardous Orange G and Direct Blue-15 azo dyes by considering these dyes to be
biodegradable.

2. Results and Discussion

Several studies have stressed and illustrated the possible use of shade-dried plants as
a reducing and stabilizing source for nanoparticle synthesis. After integrating an aqueous
plant extract of S. procumbens with the AgNO3 solution at a ratio of 1:9 (0.01 mol/L solution
of AgNO3), the color change indicated that the synthesis of AgNPs occurred, where the
plant extract was used as a reducing and stabilizing agent in this analysis. According to
the literature, the initial indication of AgNPs was observed as a color transition from pale
yellow to dark yellow and eventually colloidal brown, within a few minutes. The observed
results were consistent with previous reports in which AgNPs were synthesized using
various plant extracts, and aqueous silver nitrate solution (10−3 mol/L) altered the color
from transparent to brown after extract addition [29,30].

2.1. UV-Visible Spectroscopy

On the nanoscale level, one of the most intriguing features of metal nanoparticles is
their optical properties, which vary proportionally with their size and shape. The large-size
AgNPs are obtained at the weak absorbance peak and shift towards higher wavelength,
while maximum absorbance peak shifts towards a lower wavelength when the particle
size becomes smaller. In the current study, the absence of an absorbance peak in the visible
region was examined when the plant extract and AgNO3 solution was observed in a UV-
visible spectrophotometer. However, the synthesis of AgNPs was confirmed by a mixture
of AgNO3 and plant extract. The AgNPs formation in aqueous colloidal solution showed
the sharp SPR (surface plasmon resonance) peak recorded at 438 nm as shown in Figure 1.
This is because plant extracts contain plenty of phytochemicals that aid in the reduction
of AgNPs and serve as a capping agent [31]. Due to the coupled oscillation of electrons
in light wave resonance of metal nanoparticles, particularly AgNPs, a free electron to
absorb the surface plasmon resonance phenomenon is provided [32]. The achieved results
are comparable to those reported in the literature, wherein the Datura stramonium plant
extract was used to reduce silver nanoparticles, and UV-visible absorbance spectra revealed
that the SPR (surface plasmon resonance) band for silver occurred in the 400–450 nm
range. The reproducibility of AgNPs synthesis was confirmed using the aqueous extract
of a previously collected batch of plant, which provided silver nanoparticles when the
optimized ratio of plant extract and AgNO3 (1:9 mL) was used [33,34].

2.1.1. Effect of AgNO3 Concentration

This parameter was measured by varying AgNO3 concentrations under ideal cir-
cumstances. The size and forms of AgNPs were affected by varying the concentration of
AgNO3 solution. In this analysis, SPR (surface plasmon resonance) peak showed that at
lower AgNO3 concentrations, AgNPs with larger size distributions were present, implying
the presence of AgNPs with broader size distributions. The SPR peak became sharper and
narrower as the concentration of AgNO3 rose, along with an increase in its intensity [35].
This suggests that AgNPs with a narrow particle size distribution were involved when the
concentration of AgNO3 solution was increased. However, if the concentration of AgNO3
further increases to 0.02 mol/L, the intensity of such SPR peak weakens and broadens due
to agglomerations induced by Van der Waals interactions between adjacent nanoparticles. It
was concluded that with 0.01 mol/L AgNO3 solution, a distinct peak was found at 438 nm,
but as stated in the literature, the concentration rises from 0.01 mol/L, and the intensity
peak of synthesized nanoparticles decrease, which was also mentioned in Figure 2 [36].
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Figure 1. UV-Visible spectra of: (A) Pure extract of S. procumbens; (B) Synthesized AgNPs; and (C)
0.01 mol/L solution of AgNO3.

Figure 2. UV-visible spectrum of synthesized AgNPs from S. procumbens aqueous extract at various
concentrations of AgNO3.

2.1.2. Effect of AgNO3 Volume to Plant Extract Ratios

To decide the impact of volume ratios on AgNPs, different extracts and AgNO3v/v
ratios were used. The transition in spectrum was observed at each ratio, as seen in Figure 3,
where intensity increases as the ratios rises from 1:3 to 1:9; the peak becomes sharp as
volume increases. The size and shape of AgNPs are also effected by increasing the volume
of AgNO3 solution, as mentioned in Figure 3, which showed that, with increasing the
volume of AgNO3 solution, the peak intensity also increased, indicating that small-size
AgNPs were obtained. While at lower volume of AgNO3 solution, non-uniform large-sized
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AgNPs were synthesized [37]. As a result, from the given data, the maximum absorbance
spectra were recorded at 438 nm for 1:9 v/v ratio, beyond this the peak becomes broader.
The absorbance showed the quantity of AgNPs formed due to the reduction of silver ions.

Figure 3. Effect of AgNO3 volume to S. procumbens plant extract ratios.

2.1.3. Effect of Temperature on AgNPs

The production of AgNPs is heavily influenced by temperature. The reaction mixture
of synthesized AgNPs was placed at various temperatures from 20–70 ◦C for 30 min. The
color and intensity shift of the reaction mixture is illustrated in Figure 4. In general, silver
nanoparticles aggregate together easily. The color changes from brown to black as shown
in Figure 4, which is due to more aggregation within the particles at 40 ◦C. The structure
and size of the particles formed during the aggregation were too large and lost the property
of surface plasmon resonance. Hence, the synthesized AgNPs were stable up to 70 ◦C, but
the more intense absorbance peak observed at 70 ◦C was due to the formation of small size
AgNPs. This also implies that, at high temperature, the kinetic energy of the molecules
increases and silver ions gets consumed faster, leaving less possibility for particle size
growth. Thus, smaller particles of nearly uniform size distribution are formed at higher
temperature. It was discovered that absorbance increased with increasing temperature [38].
Hence, the maximum intensity peak of 438 nm at 70 ◦C resulted.

2.1.4. Effect of Time on AgNPs

The impact of reaction time was studied by regularly reviewing the reaction mixture
of an aqueous plant extract and AgNO3 solution at different time intervals. The AgNO3
solution reacts with the plant extract, resulting in a color shift within 1 h of the reaction.
With the aging process, the color became more intense [39]. According to UV–visible
spectrophotometric measurements taken at regular intervals of time, the broad surface
plasmon resonance peak was obtained between 0 h and 2 h, which was due to the sluggish
conversion of silver ion (Ag+ to Ag0). Since a significant amount of Ag+ was transformed
to Ag0, an outstanding SPR (surface plasmon resonance) spectrum was found as the
reaction time increased. The absorption peak of synthesized AgNPs was observed in the
UV–vis spectra with strong SPR in the range of 438 nm at 8 h, indicating fast synthesis
(Figure 5) [40].
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Figure 4. Absorption spectra of AgNPs achieved at different reaction temperatures using S. procum-
bens plant extract AgNPs.

Figure 5. Absorption spectra of AgNPs obtained at different time intervals.

2.1.5. Effect of pH on AgNPs

The potential of the reaction pH is to comprehend the electrical charges of biomolecules,
which may affect their reducing and capping capabilities, as well as the subsequent growth
of the nanoparticles. The impact of pH on the absorption spectra of synthesized AgNPs via
plant extract was shown in Figure 6. AgNPs were configured at various pH levels: 2, 4, 6,
8, 10, and 12. The absorption peak shifted towards lower wavelength, implying that the
size of synthesized AgNPs was shrinking with the increasing pH of the reaction mixture.
Furthermore, it was also noticed that the rate of reduction and the color of the solution
turned colloidal brown faster at higher pH. As a result, the more favorable synthesis of
AgNPs occurs at alkaline pH; this could be accredited to the ionization of the functional
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groups at higher pH. The slow rate of reduction observed in the acidic medium could be
attributed to the electrostatic repulsion of anions present in the reaction mixture. Referring
to the previously reported literature, the SPR (surface plasmon resonance) peak of AgNPs
was not observed in the range of 400 to 500 nm at pH 2, 4, and 6 [41]. Whereas in the
current study, the sharp and narrow SPR (surface plasmon resonance) peak was obtained
within the range of 438 nm at pH 8, as shown in Figure 6, inferring that OH groups were
responsible for a reduction of Ag+ as supported by Davidovic et al. [42].

Figure 6. Normalized absorption spectra of AgNPs at different pH values of the reaction mixture
employed S. procumbens plant extract.

2.1.6. Stability of AgNPs

The stability test of synthesized AgNPs was checked at 5, 10, and 15 days after synthe-
sis. According to the results, there are no vibrational shifts at the surface plasmon resonance
of AgNPs. The presence of a sharp peak indicated the development of mono-dispersed
nanoparticles. As reported, from an aqueous extract of Cassia roxburghii, synthesized
AgNPs were found to be stable for 2 months in a previous analysis [43].

2.2. Fourier Transform Infrared Spectroscopy (FT-IR) Analysis

The synthesis of AgNPs was achieved by biologically active functional groups and
interaction sites present in an aqueous plant extract of S. procumbens that acts as a reducing,
capping, and stabilizing agent, which were identified by using FT-IR (Bruker, Alpha-II)
spectroscopy. The data suggests that during AgNPs synthesis, the phytochemicals present
in a plant extract play an important role in the production of metal nanoparticles, which
reduce the metal salt into its nanoparticles. It is tough to select an individual phytochemical
entity, but in general, flavonoids, phenolic groups, organic acids, and proteins all are
thought to be essential for the synthesis of nanoparticles [44]. In FT-IR spectroscopy, S.
procumbens extract showed prominent bands of absorbance at around 3277, 2923, 2364,
1590, 1405, and 1033 cm−1 (Figure 7). The phenolic groups and proteins act as capping
and stabilizing agents, which play an important role in the production of AgNPs; this was
confirmed by a band at 3277 cm−1, which was responsible for O–H stretching vibration of
carboxylic acid [45]. The small band at 2923 cm−1 was due to C–H stretching of alkane,
whereas the band at 2364 cm−1 represents the C–O vibration [46,47]. The band at 1590 cm−1

showed the N–H stretching vibration of amines present in proteins and 1405 cm−1 aligns
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to the C–N stretching of aromatic amine groups [48]. The 1033 cm−1 band was assigned
C–O stretching vibration of alcohols, ester, or carboxylic acid. The reduction in bands at
3020, 2713, 2362, 1536, 1363, 1027, and 670 cm−1 is attributed to biomolecules present in the
plant extract, which reduced Ag+ ions to Ag0. We theorized that the synthesized AgNPs
were capped by biomolecules that were involved in silver nanoparticles formation [49].

Figure 7. FTIR spectra of synthesized AgNPs (A) and S. procumbens plant extract (B).

2.3. X-ray Diffraction Analysis (XRD)

To investigate the crystalline nature and surface morphology of the synthesized
AgNPs, the X-ray diffraction (XRD) analysis was performed in the range of 20–70 degrees
at 2θ. The XRD pattern of the AgNPs synthesized by the reaction of silver salt solution with
an aqueous plant extract of S. procumbens is shown in Figure 8. In XRD analysis, the crystal
structure depends on the arrangement of atoms in a specific plane; the XRD peak showed
higher intensity due to more atomic counts accumulated in its orientation. So, synthesized
AgNPs, by using a plant extract of S. procumbens, were observed at high-intensity peaks at
around 38◦, 45◦, and 64◦. The mentioned peaks correspond to the hkl planes (111), (200),
and (220) Bragg reflections, respectively, which were the exact peak positions as given
for the face center cubic (FCC) lattice structure of AgNPs. This diffraction pattern was
very similar to JCPDS file no. 04–0783 standard diffraction pattern [50]. The 38◦ peak
was explained by assuming that the peak intensity of XRD becomes smaller along with
the decrease in crystallite size. These facts revealed that the measuring content with the
crystallites sizes of AgNPs were smaller than 30 nm [51]. The particle size of synthesized
AgNPs was 26 nm, calculated by employing Scherrer’s equation.

D =
0.9λ

β cos θ
(1)

where D is crystallite size, λ corresponds to the X-rays wavelength that used 1.5406 ◦A, β
is FWHM (Fill width half maximum), and θ corresponds to Bragg’s angle.
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Figure 8. X-ray diffraction pattern of AgNPs synthesized from S. procumbens.

2.4. Energy Dispersive X-ray (EDX) Analysis

The elemental composition was determined by using energy dispersive X-ray (EDX)
analysis. The EDX result of synthesized AgNPs revealed the existence of silver, as well
as the residual carbon, oxygen, and chlorine peaks that were unwittingly inserted from
the surface molecule of the plant extract. Green-synthesized AgNPs were responsible for
the observed C, O, Cl, and Ag peaks. The peak of Ag at 3 eV confirms the formation of
silver nanoparticles, where standard weight percent of silver was 90.88%. In this analysis,
the green-synthesized AgNPs showed aggregated morphologies and a nonuniform size
distribution (Figure 9). The particle size is dependent on how the aqueous extract is
administered during the synthesis. Likewise, in accordance with these statements, the
presence of Ag, Cl, and O were observed within the spectrum that appeared around 3 keV,
which indicated the existence of elemental silver in the biosynthesized AgNPs [52].

Figure 9. (A) Energy dispersive X-ray spectrum for AgNPs from S. procumbens; (B) Weight percentage of atoms present
in AgNPs.

2.5. Scanning Electron Microscopy (SEM)

Researchers used scanning electron microscopy (SEM) to design the images of the
sample and consider the morphology of the nanoparticles. The shape and size of synthe-
sized AgNPs by using green synthesis were shown in a micrograph of a scanning electron

146



Molecules 2021, 26, 6144

microscope (SEM). According to the given micrograph, the scale of the synthesized AgNPs
was up to 250 nm. The micrograph revealed that the particle sizes range from 10–80 nm
and are spherical in shape. Most of them are synchronized in the form of large clusters, but
few of them are dispersed as seen in Figure 10. So, the average particle size was found to
be 46 nm, which is consistent with XRD results of 26 nm (crystallite size).

Figure 10. SEM image of AgNPs with 250 nm scale bar (A), and their corresponding size distribution histogram (B).

2.6. Photocatalytic Degradation Analysis
2.6.1. Photocatalytic Degradation of Orange G Azo Dye

To investigate the photocatalytic capability of stable AgNPs towards the degradation
of various organic dye molecules, the commonly used Orange G dye in many dyeing
industries was selected. Orange G is a well-known water-soluble dye that has always
had widespread usage in industries such as leather, textiles, pharmaceuticals, paper, and
printing [53]. To evaluate dye degradation in the presence of AgNPs as a catalyst, a UV–vis
spectrophotometer was used. The high absorption peak of OG was centered around 483 nm;
the reaction of degradation was carried out at room temperature. The photocatalytic
degradation of dye was monitored by changing the absorbance peak. Degradation of OG
did not proceed in the absence of synthesized AgNPs. Experiments were performed by
using 0.05 g/100 mL of synthesized AgNPs, and the results were expressed in terms of dye
degradation. Figure 11 showed the photocatalytic degradation of OG versus time. It was
concluded that the maximum photocatalytic degradation of OG dye was ascertained by
noting the time required for the OG absorption peak to reach baseline. Pertaining to this
principle, the upper limit percentage of OG dye degradation was found to be 70.61% at
about 180 min with S. procumbens-AgNPs [11].

2.6.2. Photocatalytic Degradation of Direct Blue-15 Azo Dye

Dye pollution has grown in tandem with the development of industries that use
colorants, such as in clothing, leather, food, and agrochemicals. Since the majority of
commonly used azo dyes are made from benzidine, these dyes contain a carcinogenic
substance that is hazardous to marine biota. The azo dye DB-15 used in the textile had a
variety of toxic effects on microalgae, Cladocera, and zebrafish embryos. So, the dumping
of this colorant waterbody should be controlled to prevent environmental impacts [54].
As a result, deterioration of the azo dye DB-15 in wastewater is strongly recommended
to alleviate their harmful impacts. A UV–visible spectrophotometer was used to monitor
the extent of degradation by green-synthesized AgNPs. The absorption maxima for BD-15
were recorded at a wavelength of 602 nm. However, in the presence of 0.05 g/100 mL
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AgNPs as a catalyst, the decrease in absorption peak of dye was observed as the time
progressed, as shown in Figure 12. To determine the maximum photocatalytic degradation
of DB-15, the amount of time required for the absorbance peak to reach baseline was
measured. At 180 min, the maximum percentage of DB-15 dye degradation was found to
be 70%. However, the synthesized catalyst showed more degradation efficiency against
OG dye than DB-15, which might be due to the complex structure of DB-15 with many N
atoms and its difficult conversion into oxidized nitrogen.

Figure 11. (A) Absorbance spectra of Orange G (15 ppm) dye at different time intervals, (B) Percentage degradation of
Orange G dye at different time intervals.

Figure 12. (A) Absorbance spectra of Direct Blue-15 (10 ppm) dye at different time intervals, (B) Percentage degradation of
direct Blue-15 dye at different time intervals.

3. Materials and Methods

3.1. Plant Collection

The S. procumbens plant was harvested from the area of Kohat, Khyber Pakhtunkhwa,
Pakistan and was identified by Dr. Nisar Ahmed, Department of Plants and Environmental
Sciences, Kohat University of Science & Technology.
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3.2. Preparation of Sanvitalia procumbens Aqueous Plant Extract

The plant of S. procumbens was washed thoroughly with tap water to remove debris
and other contamination, followed by washing with distilled water. The plant was shade-
dried at room temperature. Twenty grams of finely cut plant was heated at 70 ◦C for 30 min
in 200 mL of distilled water. The extract was cooled down and then filtered via Whatman
No. 1 filter paper, and the aqueous plant extract was stored in the refrigerator for further
analysis.

3.3. Green Synthesis of AgNPs

At room temperature, 1 mL volume of aqueous plant extract was added to 9 mL of
0.01 mol/L AgNO3 solution in a dropwise manner. After mixing the aqueous plant extract
into silver ion solution, the reaction mixture was placed onto a rotatory orbital shaker
operating at 200 rpm, then it was subjected to a water bath for 70 ◦C. Complete reduction
of Ag+ to Ag0 ions in the reaction mixture was confirmed by the color change of AgNO3;
plant extract solution from pale yellow to dark brown implied the formation of AgNPs
(further scanned by UV-visible spectrophotometry). Finally, the samples were centrifuged
for 15 min at 6000 rpm. The organic moieties were removed after centrifugation, and the
pellet was washed with distilled water and methanol. The powder form of nanoparticles
was obtained, which were utilized for further characterization and photocatalytic studies.

3.4. Effects of Different Parameters on the Stability of AgNPs

Green synthesized AgNPs were produced by using S. procumbens aqueous plant ex-
tract and different parameters including AgNO3 concentration, volume, pH, time, and
temperature were studied to check the stability of AgNPs. Spectrophotometric study of
AgNPs after 6–8 h of incubation in the dark at room temperature revealed the optimal
conditions for efficient reduction of silver ions and eventual nucleation into silver nanopar-
ticles. The impact of plant extract volume on green synthesis of AgNPs was explored
through executing the reaction with various volumes of AgNO3 solution (1, 3, 5, 7, 9,
and 11 mL), whilst maintaining the volume of plant extract remains as constant. The
reaction mixtures were deposited with various AgNO3 concentrations, which were used to
investigate the impact of AgNO3 concentration on AgNPs synthesis (0.004, 0.006, 0.008,
0.01, and 0.02 mol/L). So, the optimal AgNO3 concentration measured the absorbance of
nanoparticles by UV-visible spectrophotometer. The aforementioned reaction mixture was
subjected at different temperature conditions, namely 20 ◦C, 30 ◦C, 40 ◦C, 50 ◦C, 60 ◦C, and
70 ◦C, for synthesizing AgNPs. Following the synthesis, every single reaction tube was
held at the specified temperature for 15 min. The pH effect was observed by exposing a
reaction mixture of AgNPs at various pH level, and 0.1 mol/L NaOH solution was used to
change the pH of the reaction solution to the optimal level.

3.5. Characterization of AgNPs

To calculate the reduction of silver nitrate into silver nanoparticles, UV-visible spec-
troscopy was used on a regular basis (Shimadzu-UV-1800). The AgNPs sample was diluted
with distilled water and then examined under UV-visible spectrophotometer. The quartz
cuvette cell filled with distilled water was used as a reference for recording the spectro-
graph at scanning speed of 300–700 nm [55]. The morphology of AgNPs was investigated
by using SEM (SIGMA HV-Carl Zeiss, Oberkochen, Germany); this the sample of AgNPs
was put onto a carbon grid, and the remaining sample was washed with blotting paper.
Synthesized AgNPs were subsequently allowed to dry for 15 min under a mercury lamp be-
fore being imaged. A high-pressure mercury lamp was used to excite the storage molecules
or proteins that exhibited autofluorescence [56]. At a 10 kV accelerating voltage, the charac-
terization procedure of SEM was carried out. XRD was used to assess the crystalline nature
and average grain size of AgNPs (XPERT-PRO). CuKa radiation was used to monitor X-ray
diffraction in the 2θ range from 20–70 at 40 kV/40 mA current with dried AgNPs on a XRD
grid [57]. The production of AgNPs was responsible for biologically active compounds that
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act as a reducing, capping, and stabilizing agents, which were identified by using a KBr
pellet system in FT-IR (Bruker, Alpha-II) analysis. FT-IR (Bruker, Alpha-II) (Billerica, MA,
USA) was performed by using a KBr pellet method to identify the functional groups of bio-
logical active compounds present in plant extract that act as reducing and capping agents
for the formation of AgNPs. This spectral analysis was performed at 4 cm−1 resolution,
within the range of 4000 to 500 cm−1 [58,59].

3.6. Photocatalytic Degradation Assay

The photocatalytic degradation studies were performed by mixing 100 mL of the
reaction mixture into a 250 mL glass beaker, distinctly. Prior to being irradiated, the
reaction sample (0.05 g/100 mL) was mixed with (15 ppm) OG and (10 ppm) DB-15 azo
dye solution, respectively. Both solutions were constantly stirred for 30 min in the dark to
ensure that equilibrium was reached. An absorption capacity of pure AgNPs for OG was
evaluated at room temperature in the dark condition. Then the solution was irradiated by a
Hg lamp with a high-pressure (max = 254 nm, 60 W, located 10 cm above the sample) sealed
in to a rectangular steel box. The reactors were put on a magnetic stirrer to ensure that the
solvent was evenly dispersed. After the irradiation times, aliquots of a previously utilized
sample were removed at specific time intervals. Finally, the solution was centrifuged for
10 min at 4000 rpm to extract the suspended particles and then examined with a UV–visible
spectrophotometer. The experiment was repeated twice, and the standard deviation did
not reach 5%, indicating that the findings were relevant. The percentage degradation was
calculated by using the following equation on the base of standard curve y = x0.0386 −
0.035 (R2 = 0.9935) and y = x0.034 − 0.0428 (R2 = 9.997) for OG and DB dyes, respectively.

%Degradation = 100 × (A0 − A)/A0 (2)

where, ‘A0’ is the initial absorbance of Orange G and DB-15 azo dyes, and ‘A’ shows the
absorbance of dyes solution obtained at each time interval [60].

4. Conclusions

In the current study, the synthesis and optimization of AgNPs was demonstrated by
using plant aqueous extract of S. procumbens. The synthesized AgNPs were successfully
characterized by using different techniques like UV-Visible, FT-IR, SEM, XRD, and EDX.
Furthermore, AgNPs exhibited potential photocatalytic degradation activity of Orange G
and Direct blue-15; the synthesized catalyst showed more degradation efficiency against
OG dye than DB-15. Overall, all these results suggest that AgNPs, as synthesized in this
study, can be used as a potent photodegradation analyte.
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Abstract: An innovative automatic purge-and-trap (P&T) system coupled with fluorimetric sequential
injection (SI), for the on-line separation and preconcentration of volatile compounds, is presented.
The truth of concept is demonstrated for the ammonium fluorimetric determination in environmental
water samples with complex matrices without any pretreatment. The P&T flow system comprises a
thermostated purge-vessel where ammonium is converted into gaseous ammonia and a trap-vessel for
ammonia collection. This configuration results in matrix removal as well as analyte preconcentration,
avoiding membrane-associated problems. All the main parameters affecting the efficiency of a P&T
system were studied and optimized. The proposed method is characterized by a working range of
2.7–150.0μg L−1 of NH4

+, with a detection and quantification limit of 0.80 and 2.66 μg L−1, respectively,
for a 10-mL sample consumption. The accuracy of the method was assessed by recovery assays in
seawater, estuarine, and lake water samples as well as by the analysis of standard reference material.

Keywords: automation; purge-and-trap; sequential injection analysis; fluorimetric; ammonium
determination; environmental samples

1. Introduction

Automatic on-line analytical methods based on flow injection (FIA) and sequential injection
(SIA) analysis have been proved to be versatile, fast, accurate, robust, and efficient analytical tools [1].
These methods have led to the development of less invasive chemical assays with low reagent
consumption and waste generation, fulfilling the principles of Green Analytical Chemistry (GAC) [2].
A remarkable advantage of automatic on-line systems is their ability to integrate and handle a plethora
of sample pretreatment techniques, including sample separation and preconcentration [3,4].

Ammonium is an analyte of high environmental interest due to its double role as a significant
ecological nutrient in the nitrogen cycle of seawater and a common pollutant in alkaline aquatic
ecosystems. In natural waters, the ratio of ammonia to ammonium is significantly dependent on
pH level and temperature. At alkaline environments, toxic ammonia is the predominant form,
which is an indicator of water quality. Various flow-based methods have been implemented for
ammonium determination in water samples typically based on the spectrophotometric indophenol
blue or fluorimetric o-phthaldialdehyde (OPA) techniques [5]. In particular, the OPA reaction was
modified by replacing mercaptoethanol with sulfite, in order to avoid the interference from organic
amine compounds resulting in higher sensitivity and selectivity [6]. Afterwards, the method was
further modified for the determination of ammonium in seawater [7]. Regarding the direct analysis
of ammonium in natural and seawater samples, it suffers from several interferences arising from
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complicated matrices and possible dissolved materials [8]. Hence, separation and preconcentration
techniques are required to eliminate matrix problems and to enhance the sensitivity and selectivity of
the method.

Several approaches for the on-line ammonia gas–liquid separation have been reported and
are classified as: a) membrane-based, such as gas-diffusion (GD) [9–11] and pervaporation [12,
13], b) membranelles-gas-diffusion (MGD) [14–16], and c) headspace single drop (HS-SD)-based
techniques [17,18]. Membrane-based methods make use of a hydrophobic membrane that allows
the diffuse of gaseous ammonia through the membrane, from a donor to an acceptor liquid stream.
Nevertheless, serious problems, such as clogging, cracking, and the deterioration of membrane in the
GD units, are often observed due to the contact of the membrane with the sample solution. On the other
hand, pervaporation units involve an air gap between the membrane and the donor stream in order
to overcome the GD limitations. However, reduced diffusion effectiveness has been recorded due to
water condensation on the surface of membrane, in pervaporation units [13,19]. Regarding both MGD
and HS-SD techniques, they require careful and accurate handling of solution, as well as complicated
equipment. Lately, a membranelles automated on-line dual-headspace lab-in-syringe (PA-D-HS-LIS)
system for the gas separation of volatile compounds was presented for ammonia determination [20].
This system is based on decreased pressure under increased temperature into the headspace of sample
solution for effective ammonia gas release. Then, the generated ammonia is transported to the second
headspace of the extraction solution for its dissolution under increased pressure.

Purge-and-trap pretreatment is a well-established methodology for separation of volatile organic
compounds (VOCs) in aqueous samples with complex matrices. In principle, an inert gas passes
through the water to purge the volatile compounds, from the aqueous to gas phase, which are
subsequently collected in an appropriate trap for further analysis [21]. Compared to GD and MGD,
the P&T configuration can process higher sample volumes in the pretreatment steps, thus enhanced
sensitivity can be achieved [22]. As far as we know, only a few P&T methods for ammonium
determination in a manual operation, have been presented [23,24].

In this study, a novel automatic dynamic purge-and-trap platform based on sequential injection
analysis (P&T-SIA) for the separation and preconcentration of volatile compounds, has been developed
for the first time. The proposed system eliminates the serious problems arising from the use of membrane
in the GD and pervaporation units. The effectiveness of the P&T-SIA system was demonstrated for
ammonium determination. Gaseous ammonia is generated by adding an appropriate volume of
NaOH solution to the sample. After its transportation, ammonia is dissolved in the acidic trapping
solution and is determined by fluorimetric sequential injection analysis (SIA). All the main factors
influencing the efficiency of the P&T system, such as purging flow rate, purging time, temperature,
liquid depth, and the concentration of the trapping solution, have been commented and optimized.
The applicability of the P&T-SIA system has been evaluated in seawater, estuarine, and lake water
samples for ammonium determination.

2. Results and Discussion

2.1. Optimization of the Automatic Purge-and-Trap System

The aim of the present study is to develop and evaluate an effective automatic on-line
purge-and-trap system, which is able to be connected with the miniSIA device for the fluorimetric
determination of ammonium or other volatile compounds. For setting up the P&T-SIA system, several
key issues should be considered. Some of them include the pH, the temperature, and the volume of
the sample solution, the flow rate of the purge gas, the time of purging, as well as the type and the
volume of trapping solution.
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2.1.1. Sample Alkalization

In aqueous solutions, ammonia exists simultaneously as two forms: the free unionized gaseous
ammonia (NH3) and as the ionized ammonium ion (NH4

+). Since the pKa of ammonium ions is 9.26,
the pH value of the sample should be higher than that value to ensure the formation of ammonia
is favored. The chemical equilibrium in the water of the two nitrogenous forms (ammonia and
ammonium ion) reveals that a 100% conversion of NH4

+ to NH3(g) requires a pH value higher than
11.5 at 20 ◦C. However, higher values than pH > 13 are recommended for trace ammonia removal from
water due to its high solubility [23,24].

Gaseous NH3 is produced into the purge vessel from the ammonium ion NH4
+ by sample

alkalization with NaOH. Thus, for 10.0 mL of sample volume, a volume of 1000 μL of 1.0 mol L−1

NaOH aqueous solution was employed for ensuring a pH higher than 13 in the sample solution.

2.1.2. Trapping Solution

Ammonium gas dissolution is higher in slightly acidic solution than in double-de-ionized
water (DDW), as it is shown from preliminary experiments. On the other hand, when ammonium
concentration is at mg L−1 levels, higher acid concentration is necessary for the best trapping
efficiency [25]. Thus, considering the very low concentrations of ammonium (ppb levels) in the samples,
the versatility and the requirements of an miniSIA fluorimetric detection system, a 0.001-mol L−1

hydrochloric acid solution was adopted as the trapping solution. It should be mentioned that low
volumes of the trapping solution result in a high preconcentration ratio. Thus, for higher sensitivity,
a volume of 300 μL of HCl solution into the trap-vessel was used throughout the study.

2.1.3. Temperature Effect

Increasing the temperature of the sample solution inside the purge-vessel (PV), causes the decrease
of ammonia solubility, as arises from van’t Hoff’s equation [26]. Raising the temperature increases the
kinetic energy of the molecules. Therefore, a higher kinetic energy causes more actuation between the
molecules that break the intermolecular bonds and escape from the solution, increasing the generation
of the gaseous ammonia [20]. The proposed purge-vessel involves a lab-made heating device to
adjust the temperature of the sample solution during purging. The effect of the temperature on the
fluorescence intensity has been studied in the range 20–80 ◦C and the obtained results are presented in
Figure S1 (Supplementary Material). Temperatures above 80 ◦C were not applied in order to avoid
the possible occurrence of boiling phenomena in the purge vessel and the production of water vapor,
which then can be condensate in the tubing and in the trapping vessel. As the recorded signal increased
throughout the studied range, for high sensitivity, 80 ◦C was adopted for further experiments.

2.1.4. Sample Volume

In principle, purging efficiency is affected by several factors, such as Henry’s law constant,
temperature, the flow rate of the purge gas, purging time, as well as the number and the size of the
purge gas bubbles. Another significant parameter is the depth of the solution in the purge vessel,
which is proportional to the sample volume. If all other parameters are constant, a higher solution
depth results in more bubbles in the liquid phase, increasing the interfacial area and the remaining
time of the bubbles in the solution.

In order to estimate the effect of the solution depth on the purging efficiency, five purge-vessels
with the same internal diameter (i.d. = 16 mm) but at various lengths, were tested. Specifically, for
a solution depth between 3.0 and 10.0 cm, an appropriate sample volume was added into the PV,
which ranged from 6.0 to 20.0 mL, respectively. Each vessel contained a fixed amount of 5.0 μg NH4

+.
The obtained results are presented in Figure 1, showing that short depth resulted in lower efficiency, as
is expected. The optimum depths vary between 4.0 and 7.0 cm. For higher depths, the effectiveness is
decreased to some extent, as it is also referred previously [27].
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Figure 1. Effect of solution depth in purge-vessel on the intensity of 5.0 μg NH4
+. The error bars were

calculated based on standard deviation (± 1 s). NaOH volume = 1000 μL (1.0 mol L−1 NaOH); Trapping
solution = 300 μL, 0.001 mol L−1 HCl; Purge-gas flow rate = 75 mL min−1.

2.1.5. Effect of Purge-Gas Flow Rate and Purging Time

The effect of the flow rate of the purge-gas on the sensitivity of the method was examined in the
range 10–100 mL/min and the recorded results presented diagrammatically in Figure S2 (Supplementary
Material). As is shown, the intensity increased by increasing the flow rate of argon gas and leveled
off for values higher than 75 mL/min. At flow rates higher than 90 mL/min, there was a possible
transportation of small drops of the liquid through the tubing. Hence, the optimum flow rate of argon
gas was set at 75 mL/min.

Typically, flow analysis methods are not based on thermodynamic equilibrium for their results.
In this concept, the purging and trapping operation is not necessary to be completed at the time of
measuring. Moreover, the time of purging positively affects the sensitivity of the method and can
be considered as preconcentration time. The effect of purging time on sensitivity is shown in Figure
S3 (Supplementary Material). It was examined from 1 to 15 min and it was found that the intensity
increased by increasing the purging time, while it was leveled off after 10 min. Consequently, 10 min
was adopted as the optimum purging time.

2.2. Interferences

An inherent feature of the purge-and-trap system is the effective separation of volatile compounds,
such as ammonia from the matrix of the sample, eliminating the interferences.

Possible gases, such as CO2, SO2, and H2S are transformed into non-volatile ions CO3
2−, SO3

2−
and HS– by alkalization with NaOH. Hence, they remain in the PV and do not interfere. The developed
method is possibly affected by metal ions and volatile amines, such as primary amines. The interference
studies were performed using a 50.0-μg L−1 NH4

+ standard solution, and a relative deviation of less
than 5% was considered as interference. Commonly encountered matrix components in natural water,
such as metal ions K+, Na+, Ca2+, and Mg2+, were examined individually for each interferent and
found to be tolerated at least up to 500 mg L−1, while NaCl was tolerated up to 35 g L−1. Other metals
that could act as interferences are Zn2+, Fe3+, Al3+, Cu2+, and Ag+, which is used as a disinfectant in
water recycling systems. No interference was observed for these metals at concentration levels up to
1.0 mg L−1. Primary amine (CH3NH2) can be tolerated at least up to 0.2 mg L−1.
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2.3. Figures of Merit

The figures of merit of the proposed method (P&T-SIA) under the optimum conditions for
ammonium determination were calculated as follows. Under the optimum conditions, for a sample
volume of 10.0 mL, the working linear range was between 2.7 and 150.0 μg L−1 of NH4

+ with
a correlation coefficient (r2) of 0.9978. The calibration curve was characterized by the following
regression equation: intensity = (258.7 ± 13.8) × [NH4

+] + (47.9 ± 986.4), (7-standards; n = 5; [NH4
+]

expressed in μg L−1). The detection and quantification limits were calculated based on the 3 and 10s
criterion [28] and found to be 0.80 and 2.66 μg L−1, respectively. The precision of the proposed method
expressed as relative standard deviation (RSD%, n = 10), was calculated at 5.0, 20.0, and 100.0 μg L
ammonium concentration levels and was found to be 4.8%, 4.2%, and 3.7% respectively. A complete
analytical cycle lasts for 900s, resulting in a sampling frequency (f ) of 4 h−1.

For comparative purposes, the performance characteristics of the proposed method and other
selected on–line separation methods based on gas diffusion, pervaporation, membranelles-GD, and
HS-SD devises, reported in the literature for ammonium determination, are compiled in Table 1. As it
is shown herein, the P&T-SIA method reveals satisfactory sensitivity with better detection limits than
earlier works [10,12,15–17,29–31] for ammonium assays. In addition, it should be considered that the
proposed system overcomes membrane-related problems and allows for the determination of untreated
samples, minimizing the cost of analysis. According to the GAC requirements, the consumption of
o-phthaldialdehyde and sodium sulfite is low enough (≤ 40 μL) and generated organic waste is limited.
Regarding the time of analysis of the proposed methodology is rather higher than the other methods,
even though it can be reduced to some extent by a strict synchronization of the analytical steps.

The accuracy of the presented method was estimated using a standard reference material SRM
from NIST CertiPUR® NH4Cl in H2O 1000 ± 10 mg L−1 NH4

+. After appropriate dilution, the
analytical result for ammonium concentration was 935 ± 42 mg L−1 (standard deviation, n = 3) with a
recovery of 93.5%.

The trueness of the P&T-SIA method was also investigated by analyzing two potable artificial
water (PAW) and two hygiene artificial water (HAW) samples, and the obtained results were compared
with that obtained by the certified method [32]. The recorded results and the texp, values are given
in Table 2. The overall relative errors were 2.1% and 3.3% for PAW and HAW samples, respectively,
indicating the efficient applicability of the developed method in similar water samples. Moreover,
since all texp values are lower than the tcrit, 95% = 4.30, no statistically significant differences were
found between the two studied methods.
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Table 2. Analytical results obtained by the P&T-SIA method and by the certified method for the
determination of ammonium in potable (PAW) and hygiene (HAW) artificial water samples.

Sample
True Value

(μg L−1)
Certified Method *

(μg L−1)
P&T-SIA Method *

(μg L−1)
Relative Error

(%)
texp

PWA-1 25.0 24.2 ± 1.8 23.8 ± 1.5 1.7 0.831
PWA-2 50.0 48.0 ± 3.2 46.8 ± 2.5 2.5 0.462
Overall relative error 2.1
HWA-1 50.0 51.6 ± 4.3 48.8 ± 2.4 5.4 2.021
HWA-2 100.0 97.8 ± 8.6 96.6 ± 5.2 1.2 0.400
Overall relative error 3.3

* Mean value ± standard deviation (n = 3).

2.4. Applications in Spiked Environmental Water Samples

The proposed method has been applied to the analysis of collected (March 2019) environmental
water samples namely estuarine, lake, and seawater. The recovery (R) values were estimated by
analyzing the spiked samples with 20.0 μg L−1 NH4

+ concentration level. The recorded results are
presented in Table 3. The recoveries varied within the range 94.0%–102.0%, showing the applicability
of the developed method for ammonium determination in natural water samples, even in samples
with high salinity such as seawaters.

Table 3. Application of the proposed P&T-SIA method for ammonium determination in spiked natural
water samples.

Sample Type
Added *
(μg L−1)

Found *
(μg L−1)

R (%)

Strymon estuarine water N.D.
20.0 19.2 ± 0.9 96.0
50.0 48.8 ± 1.5 97.6

Prespa lake water 35.2 ± 2.2
20.0 54.7 ± 2.7 97.5
50.0 86.2 ± 2.8 102.0

Thermaikos gulf seawater 12.5 ± 0.5
20.0 31.3 ± 1.8 94.0
50.0 60.2 ± 2.8 95.4

Toroneos gulf seawater N.D.
20.0 20.3 ± 1.3 101.5
50.0 47.3 ± 2.8 94.6

* Mean value ± standard deviation; N.D, not detected.

3. Materials and Methods

3.1. The Automatic Purge-and-Trap Platform

The developed purge-and-trap (P&T-SIA) system for ammonium separation/preconcentration
and determination is presented schematically in Figure 2. It consists of a high precision bi-directional
micro-syringe pump, SP2 (MicroCSP-3000, FIAlab Instruments, Bellevue, WA, USA), which is equipped
with a 5000-μL glass barrel and a nine-position Teflon/Kel-F SV2 selection valve, directly connected at
the top of the barrel. The purge-vessel (PV) is made of a borosilicate glass tubing (1.6 mm i.d., 100 mm
length) with two push-fit poly tetra fluoro ethylene (PTFE) connectors at its two ends, as is shown in
Figure 3. The lower connector is a male flangeless fitting end in order to be connected at the port-5 of
SV2 (Figure 1). This connector enables the insertion of the purge gas at the bottom of the PV by four
tiny holes, which are connected with a purge gas tubing. The PV is placed in a vertical position in the
P&T manifold.
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Figure 2. Schematic diagram of the P&T-SIA manifold for ammonium determination. PV, purge vessel;
TV, trap vessel; SV1 and SV2, selection valves; COV, chem-on-valve unit with the flow-through cell;
V, V1, V2, valves; SP1, SP2, syringe pumps; TC, thermostated coil; HC-1, HC-2, holding coils; MP,
milliGUT pump; f.o., fiber optics; D, detector.

Figure 3. Schematic diagram of the purge-vessel. Internal diameter, i.d. = 1.6 mm; length = 100 mm.
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In order to facilitate the gaseous ammonia release, the PV is heated at the appropriate temperature
by a lab-made heating device, which consists of a thermostat and a chromium-nickel resistor coil
(TC), electrically powered with a 12V/5A power supply. The trap-vessel (TV) is made of a plastic
syringe (4.6 mm i.d., 70 mm length), located in the P&T manifold in a vertical position, by using a
push-fit connector with a male fitting end. The TV is connected at the SV1 (port-6) of the FIAlab-3000®

SI system.

3.2. Apparatus

A FIAlab®-3000 sequential injection (SI) system (Alitea FIAlab, Bellevue, WA, USA) was used for
the handling of the P&T system. This system is equipped with a syringe pump, SP1 (Cavro, Sunnyvale,
CA, USA) with a glass syringe barrel of 1000 μL capacity and a two-position (IN/OUT) valve (V),
a six-port selection valve (SV1) and a holding coil (HC-1). Two additional three-port, two-position
valves, V1 and V2 controlled by the FIAlab®-3000 SI system, were used for the purge gas handling.
The Micro CSP-3000 syringe pump is interfaced with the FIAlab®-3000 system and controlled by a
personal computer that runs the FIAlab software for windows v. 5.9.245 (http://www.flowinjection.com).

A miniSIA flow analyzer (https://www.globalfia.com) equipped with an acrylic Chem-on-Valve™
(COV) monolithic manifold was employed for ammonium SI fluorimetric determination. The miniSIA
flow analyzer is equipped with a fluorescence flow cell which is located directly in the COV at position-2
(Figure 2). Two fiber optic cables (f.o.) are used for light emission (Em) and excitation (Ex). For the
fluorometric detection of ammonium, an Ocean-Optics USB-4000 fluorescence spectrometer with a
monochromator set at 425 nm emission wavelength, is used. In addition, a monochrome white LED is
used as an excitation light source and has been set at 365 nm excitation wavelength. The recorded
fluorescence intensity is given as intensity arbitrary units (AU). More details of the miniSIA flow
analyzer are presented in previous work [33]. The quantification of ammonium in miniSIA flow
analyzer is based on the OPA reaction, where the ammonia reacts with o-phthaldialdehyde in the
presence of a strong reducing agent, sulfite, in order to produce the fluorescent isoindole derivative.
The reaction is time and temperature depended.

For the control of miniSIA system and the data acquisition, a laptop running the FloZF 5.2 software
(https://www.globalfia.com), is used. The integrated P&T-SIA system is controlled by the two discrete
software programs namely FIAlab and FloZF, which are synchronized and activated simultaneously.

3.3. Chemicals and Samples

Analytical-grade chemicals were provided by Merck (Darmstadt, Germany, http://www.merck.de)
and were used throughout the study. A Milli-Q system (Millipore, Bedford, MA, USA, http://www.
millipore.com) was employed for ultra-pure quality water. All ammonium working standard solutions
were prepared daily by the appropriate dilution of 5000 mg L−1 of NH4

+ stock standard solution
with water. A phosphate buffer at 0.1 mol L−1 concentration level was prepared by dissolving
13.4 g Na2HPO4 in 400 mL of water, adjusting the pH to 11.0 with 2.0 mol L−1 NaOH solution and
diluting into a 500-mL volumetric flask. A solution of 6.0 mmol L−1 sodium sulfite was prepared by
dissolving 75.6 mg of Na2SO3(s) in phosphate buffer and diluting to 100 mL. A solution of 15.0 mmol
L−1 o-phthaldialdehyde (OPA) was prepared by dissolving 201.0 mg of solid C8H6O2 in 20.0 mL
methanol and diluting to 100.0 mL with water. Argon (99.997%, Grade 4.7) was used as a purge gas for
triggering the release of the ammonia gas from the liquid mixture and transportation to the trap vessel.
For ammonium determination by the certified method [32], the following solutions have been prepared
properly: a 5% m/v sodium hypochlorite solution (NaClO); a 11.1% (v/v) phenol (C6H6O) solution in
ethanol; a 20% (m/v) alkaline citrate solution; a 0.5% (m/v) sodium nitroprusside (Na2Fe(CN)5NO)
aqueous solution; and a 1% (m/v) NaClO in 16% m/v citrates solution.

For the accuracy validation of the developed method, an ammonium standard reference solution
traceable to SRM from the NIST (National Institute of Standard and Technology, Gaithersburg, MD,
USA) NH4Cl in H2O 1000 mg L−1 NH4

+ CertiPUR® has been analyzed, after dilution. Two potable
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artificial water samples (PAW) and two hygiene artificial water samples (HAW), at 25.0/50.0 μg L−1

and at 50.0/100.0 μg L−1 concentration levels of NH4
+, respectively, were prepared according to the

chemical composition of the recycled water in the International Space Station (ISS). The chemical
constitution of them is given elsewhere [33].

The environmental water samples were collected from sampling sites that are located in northern
Greece, during March 2019. The estuarine water was from the Strymon river, the lake water was from
lake Prespa, and the seawater was from the Thermaikos gulf (Thessaloniki) and the Toroneos gulf
(Chalkidiki). The collected samples were filtered through 0.45-μm membrane filter, acidified to ca. pH
2.0 with dilute nitric acid, and stored at 4 ◦C in acid-cleaned polyethylene bottles prior to analysis.
The laboratory glassware was rinsed with water after decontaminated overnight in a 10% (v/v) nitric
acid solution.

3.4. On-Line Analytical Procedure

The schematic diagram of the on-line P&T-SIA system for the fluorimetric determination of
ammonium is given in Figure 2, while the operational sequence of the proposed method is summarized
in Table 4.

At the start-up of the system, the argon purge gas flows through the PV and TV (V1 and V2
in IN position), while the thermostated heater is activated, in order to remove possible ammonia
gas molecules from the two vessels. In steps 1-2, 300 μL of trapping solution (0.001 mol L−1 HCl) is
delivered into the trap vessel, while V1 and V2 are in the “OUT” and “IN” position, respectively. Next
(steps 4–7), appropriate volumes of 1.0-mol L−1 NaOH and sample/standard solutions are sequentially
loaded into the PV by the operation of SP2 through ports 3 and 4 of SV2, respectively. The presence
of NaOH creates an alkaline environment inside PV which results in the conversion of ammonium
ion to ammonia (gas). Then, the operation of Purge-and-Trap starts (step 10). Specifically, the argon
purge gas is flowing in the PV through the sample solution in the PV by switching the V1 in the “IN”
position, for a purging time of 600 s. During this step, the sample solution is heated into PV at 80 ◦C.
Consequently, ammonia-gas is released and transported by the argon gas into the TV in order to be
dissoluted in the HCl solution (trapping solution).

In the following steps (11–13), the trapping solution is delivered and “parked” in the holding coil
HC-2, by the operation of SP1. Then, a small segment of 40 μL is aspirated through port 4 of the COV,
into miniSIA analyzer for fluorimetric quantification. The determination of ammonia is based on its
reaction with o-phthaldialdehyde (OPA) and sodium sulfite, resulting in the formation of the isoindole
derivative. The reaction is depended from the time and temperature. The operational protocol of
the miniSIA system, the optimization procedure, as well as all performance characteristics have been
presented in detail in our previous work [33]. In the last steps (14–29), a thorough cleaning of the
system, including the purge-and-trap vessels and the entire tubing, is performed using ultra-pure
water to eliminate any possible carryover phenomenon. Five replicate measurements have been made
in all instances.
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4. Conclusions

An automatic thermostated on-line purge-and-trap system based on the instrumentation of
sequential injection analysis was developed for volatile compounds for the first time. The efficiency of
the proposed P&T-SIA system coupled to a miniSIA flow analyzer has been successfully demonstrated
for direct ammonium separation, preconcentration, and determination in environmental water samples.
The presented flow method combines the advantages of membraneless purge-and-trap pretreatment
and sequential injection systems. The simplicity, versatility, ease, and low costs of the operation
are some distinct advantages that the P&T-SIA flow manifold exhibits. According to the obtained
results for ammonium determination, it can be concluded that the newly developed method offers
remarkable analytical features, such as good accuracy and reproducibility as well as high sensitivity.
The applicability was examined in environmental water samples and specifically in seawater samples.
The fluorimetric detection method is regarded as a green and environmentally friendly approach,
minimizing the use of toxic reagents in μL levels and generating limited wastes. All these characteristics
make the proposed P&T-SIA platform an attractive new tool for determining trace amounts of volatile
compounds, suitable for monitoring water pollution.

Supplementary Materials: The following are available online: Figure S1: Effect of the temperature on the
fluorescence intensity of 50.0 μg L−1 NH4

+. Error bars were calculated based on standard deviation (± 1s). Sample
volume = 10.0 mL; NaOH volume = 1000 μL of 1.0 mol L−1 NaOH; Trapping solution: 300 μL, 0.001 mol L−1 HCl;
Purge-gas flow rate = 75 mL min−1, Figure S2: Effect of purge-gas flow rate of the on the sensitivity of the method.
Error bars were calculated based on standard deviation (± 1s). Other parameters as in Figure S1, Figure S3: Effect
of purging time on the fluorescence intensity of 50.0 μg L−1 NH4

+. Error bars were calculated based on standard
deviation (± 1s). All other parameters as in Figure S1.
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Abstract: Fluorescence spectroscopy is an optical spectroscopic method that has been applied for the
assessment of environmental quality extensively during the last 20 years. Most of the earlier works
have used conventional light sources in spectrofluorometers to assess quality. Many recent works
have used laser sources of light for the same purpose. The improvement of the energy sources and of
the higher resolution spectrometers has led to a tremendous increase in applications. The motivation
for the present review study is the increasing use of laser sources in environmental applications.
The review is divided in two parts. The fundamental principles of fluorescence spectroscopy are
described in the first part. The environmental applications are described in the second part.

Keywords: conventional lamps; fluorescence; laser sources; laser induced fluorescence; environmental
quality

1. Introduction

Optical spectroscopy deals with the study of interactions between matter and light
such as absorption, emission and scattering, among others. Fluorescence spectroscopy (or
fluorometry) is based on the emission of photons from a substance after excitation from
light absorption. The molecules, due to their vibrational energy levels, emit light of lower
energy (longer wavelength) than the absorbed light. This is called Stokes’ shift and happens
due to an energy loss in non-radiative decay. These processes are shown in the so-called
Jablonski diagram in Figure 1a. When a molecule is in the ground level (S0) and absorbs
a photon of sufficient energy, an electron is promoted to a higher energy singlet level (S1
or S2) equal to the energy of the absorbed photon. If the electron, following a relaxation
pathway, returns to its original state emitting a photon, it is called photoluminescence. The
two types of photoluminescence are fluorescence and phosphorescence. Fluorescence refers
to when the electron from a singlet excited level decays radiatively to the ground singlet
state, within a characteristic decay time of the order of 10−10 s to 10−7 s. Phosphorescence
occurs when the electron, after a transition from a singlet excited state to a triplet state,
returns radiatively to the ground singlet state. Since the last process involves change of the
electron spin, the phosphorescence time could be from 10−6 s up to seconds.

For a compound, its emission spectrum and absorption spectrum (excitation spectrum)
are usually almost mirror images as shown in Figure 1b for the radiative transition from S0
to S1 and vice versa. This symmetry is attributed to the same vibrational levels structures
that are involved in each of these processes.
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Figure 1. (a) Perrin–Jablonski diagram with the possible radiative transitions (straight arrows) of
absorption, fluorescence and phosphorescence, as well as the non-radiative transitions (wavy arrows)
of vibrational relaxation, internal conversion (IC) and intersystem crossing (ISC). (b) Illustration of
the spectra for the radiative transitions between electronic states that shown in (a). (c) Characteristic
times for each transition. Reprinted from [1]. 2012, John Wiley and Sons.

1.1. Light Sources

Fluorescence excitation can be induced by a lamp, a light-emitting diode (LED) or
a laser source. When a laser is used for the excitation, the fluorescence is called laser
induced fluorescence (LIF). As lamps are conventional sources of light, the fluorescence is
considered as conventional in that case. For multispectral light sources, a spectral filter or
monochromator is used for selecting the excitation wavelength.

Typically, the commercial spectrofluorometers utilize arc-lamps as light sources for the
excitation of compounds. The main sources used for ultraviolet (UV) and visible light are
high-pressure and low-pressure lamps of Xenon (Xe) and mercury (Hg). The line spectrum
emission of low-pressure Hg-Ar and Hg lamps are used mainly for calibration purposes.
The high-pressure Xe and Hg lamps provide broadband light emissions from 250 nm and
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from 350 nm, respectively, up to IR. The intensities of high-pressure Hg lamps are higher
compared with Xe lamps. There are also high-pressure Xe-Hg lamps with higher intensities
than Xe lamps. Deuterium lamps are also used, providing continuum emission in UV, from
160 nm to 400 nm. The tungsten-halogen lamps are less used in fluorescence spectroscopy
than the previously mentioned ones due to their weak light emission below 400 nm [2].

In the last two decades, the light-emitting diodes (LEDs) began to appear as light
sources in spectrofluorometers. The LED is an electroluminencence device that produces
photon emission by the recombination of electrons with electron holes at semiconductor
junction. They are inexpensive light sources with bright illumination and the develop-
ment of LEDs emitted up to deep UV range make them very attractive for fluorescence
excitation [3].

The laser sources are categorized in four types according to the active medium: solid
state, gas, liquid and semiconductors/diode lasers. Among the solid state lasers, the
Neodynium-doped Yttrium/Aluminium Garnet (Nd: YAG) is the most common type used
in fluorescence spectroscopy [4]. The fundamental wavelength of the laser is in the infrared
(IR) at 1064 nm but with the use of nonlinear crystal the second or higher harmonics could
be produced, providing laser wavelength at 532 nm, 355 nm, 266 nm or even 213 nm.

The most common gas lasers include argon ion, HeNe, nitrogen and excimers [5].
Argon ion lasers emit radiation at 488 nm (blue) and 514 nm (green); hence, they are called
also blue-green lasers. They are relatively large lasers and external cooling is required.
Helium-neon (HeNe) lasers operate at a single wavelength of light, most often at 632 nm.
They do not produce high-power light (from few to tens mW), but they are more stable and
are often used for metrology applications. HeNe lasers are more compact than argon ion
lasers and do not require external cooling. Another type of gas lasers used in spectroscopy
are nitrogen lasers, which operate in the UV range, as they emit radiation at 337 nm. They
have been used for air pollution monitoring. Excimer lasers are another type of gas lasers
for UV emission. The laser medium are short-live dimeric molecules generated in excited
state of inner nobble gas atoms themselves (excimer) such as argon, krypton, xenon or by
their combination with halogens (exciplex) such as fluorine or chlorine gas atoms.

The liquid lasers consist of a dye as lasing material. An organic dye dissolved in water
or other solvent (at a typical concentration of the order of 1 part in 10000), is radiated by
an intense light source [6]. After the absorption of light in one wavelength, the dye emits
light over a broad range of visible wavelengths. Different dyes can produce a variety of
wavelength emissions. Coumarin and Rhodamine are some of the most used dyes [7,8].
By changing the cavity length, or through other techniques, the output wavelength can be
easily tuned in a wide range of tens of nm. Their drawbacks are that the dye undergoes
photodecomposition and needs to be renewed by circulation, either in a container cell or
as stream of jet in open air. In addition, the dyes are hazardous toxic materials and great
attention when handling them is needed.

The last category of lasers is the diode (or semiconductor) lasers that work on a
somewhat different principle. Light is emitted by flowing electrical current through the
semiconductor due to the energy gap in the diode’s junction. They are compact lasers that
emit wavelengths typically from visible to IR, but recently there are devices emitting in the
UV region [9]. Their output has a wide range of power from low to moderate. They have
small size, are lightweight and less expensive than other lasers [10].

Generally, the choice of laser type depends on the wavelength range that is needed
in each research. The application of laser depends on the properties (monochromaticity,
directionality, spatial and temporal characteristics) of the laser beam.

1.2. Detectors

The fluorescence light is detected and quantified either by a photomultiplier tube
(PMT) or avalanche photodiodes (APD) or by a charge-coupled device (CCD). The majority
of commercial fluorometers use photomultiplier tubes (PMT) to detect the low light intensity
of fluorescence [2]. A PMT is a vacuum glass tube that consists of a photocathode where
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incident photon induces electron emission, a series of dynodes for electron multiplication
and an anode. The material that the photocathode is made from determines the spectral
range of the photomultiplier. In order to cover the whole UV-visible range, two types of
photocathodes are required.

The APD is another low-intensity light detector used in fluorescence spectroscopy.
In a photodiode an electron-hole pair generated when a photon is captured in the diode
junction area. In APD, a high reverse bias voltage creates a strong electric field where the
electron generated from photon is accelerated to produce secondary electrons by impact
ionization. The resulting electron avalanche produces measurable electrical signal even
from few photons [11].

Another type of detector used in fluorometers is the CCD with which the whole
fluorescence spectrum can be analyzed at once without the need for wavelength scanning
with a monochromator. It is mainly used when the emitted light is of higher intensity, such
as in LIF. The CCD consists of an array of semiconductive photosensitive elements (pixels)
where photons induce an electrical charge which is accumulatively stored in each of them.
Then, the read out of each element charge is made in series by shifting the charge of each
element to their neighbor toward the charge measurement circuit where it is also digitized.

Typical schemes of a conventional and a laser induced fluorescence system are shown
in Figure 2.

 
(a) (b) 

Figure 2. Schemes of a conventional (a) and a laser-induced (b) fluorescence spectroscopy system.

1.3. Fluorescent Compounds

The compounds that absorb visible and/or UV light are called chromophores. The
compounds that emit light are called fluorophores. Compounds with fluorescent char-
acteristics are those with several aromatic (fused) rings and/or with conjugated double
bonds. There are two types of fluorophores depending on the groups: those with electron-
donating groups, such as -OH, -NH2 and -OCH3 that increase fluorescence, and those
with electron-withdrawing groups, such as COOH and -N=N- that reduce fluorescence.
There are some exceptions, for example fluorophores such as tryptophan and tyrosine, that
showed lower quantum yields than expected [12]. Compounds such as halogens, oxygen
and acrylamide are also known to reduce fluorescence and will be described in the next
section. Heterocyclic compounds do not fluoresce significantly unless they are attached to
an aromatic ring.

The major characteristics of a fluorophore include the fluorescence lifetime (τF) and the
quantum yield (Φ). Fluorescence lifetime is defined as the average time that the molecule
remains in the excited state before it returns to its ground state, of the order of ns. The
quantum yield is defined as the ratio of the number of the emitted photons to the number
of the excited molecules. The higher the quantum yield, the higher is the fluorescence. It is
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almost equal to unity when the non-radiative decay rate is much smaller than the radiative
(fluorescence) decay rate.

The intensity of fluorescence (IF) is proportional to the molecule’s concentration in
diluted solutions (ε·b·C < 0.05), as described from the following equation:

IF = k · Io · Φ· (ε·b·C) (1)

where:
k: a constant dependent on the instrument;
Io: the intensity of the incident light;
Φ: the quantum yield;
ε: the molar absorptivity;
b: the path length and
C: the molecule’s concentration.
The optical properties of standard organic fluorophores are founded in many databases

and include: the wavelengths of maximum absorption and emission and their bandwidths
(full width at half maximum), extinction coefficient, photoluminescence quantum yield
and fluorescence lifetime [13].

1.4. Factors That Affect Fluorescence

The factors that affect fluorescence include solvents, temperature, pH and ionic
strength as well as the presence of other substances. The decrease in fluorescence in-
tensity caused by any factor is called quenching, while the substances that may induce
this are called quenchers. The decrease in the fluorescence intensity happens either by
intramolecular or by intermolecular interactions.

One of the most frequently present quenchers is the molecular oxygen which quenches
almost all known fluorophores. Other quenchers are acrylamide, amines and halogens.
Table 1 summarizes examples for quenchers of some typical fluorophores. There are
two mechanisms of quenching: static and dynamic. Static quenching happens when a
non-fluorescent complex is formed between the fluorophore and the quencher. Dynamic
quenching, otherwise called collisional quenching, happens when the quencher interferes
with the fluorophore during the lifetime of the excited state. The excited molecule is
then deactivated either by contacting other molecules or by intermolecular interactions
(collisions). The Stern–Volmer equation describes the fluorescence quenching as follows [2]:

Io/I = 1 + Kq · τF · [Q] (2)

where:
Io: the intensity without quencher;
I: the intensity with quencher;
Kq: the quencher rate coefficient;
τF: the fluorescence lifetime and
Q: the quencher’s concentration.

Table 1. Examples of typical fluorophores and their quenchers.

Typical Fluorophores Quenchers

Polycyclic aromatic hydrocarbons (PAHs) Nitrocompounds, nitromethane [14,15]

Anthracene Diethylaniline [16]

Tyrosine Disulfides [17], phosphates [18]

Tryptophan, indole Acrylamide [19,20], cations [21], anions [22]

Aromatic hydrocarbons Aromatic and aliphatic amines, pyridinium salts [23]

Majority of known fluorophores Oxygen [24,25]
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The fluorescence of a compound can be affected from the solvent used for the flu-
orophore solution. The solvent effect can be observed as a shift of the spectral maxima
(solvatochromic shift), as a change of the intensity of the spectral line or band and as a
change of the shape and width of the band [26]. By increasing the solvent polarity, shifts of
the emission spectrum to longer wavelengths (red shifts) are usually observed.

The pH parameter affects fluorescence as the structure of a molecule can be altered
by altering the pH. For example, a compound can become a spherical or linear shape in
different pH values [27]. The ionization of a molecule after pH modification may alter
the molecular orbital of the excitable electrons. Furthermore, H+ ions compete with metal
ions in complexation with dissolved organic matter (DOM) and thus, there are metals that
increase the fluorescence in water samples [28].

Additionally, the effect of temperature is very important. The electrons return to the
ground state by radiationless processes. By decreasing the temperature from 45 ◦C to
10 ◦C, it was found that the intensity of DOM has been increased by 48%. [29]. Finally, the
ionic strength affects fluorescence by changing the conformity and by charge transfer [30].

1.5. Types of Laser Induced Fluorescence

Laser induced fluorescence (LIF) is classified as steady-state (or continuous wave,
CW) when only the spectral information of the emission is recorded, or as time-resolved
LIF, where information of the fluorescence lifetime is derived [1]. For CW LIF, where
the time integrated fluorescence is recorded, both CW and pulsed laser sources can be
used. In time-resolved LIF, for the fluorescence analysis in time domain, a pulsed laser is
necessary with pulse duration below ns, while in frequency-domain techniques, an optical
modulation of CW laser can be used. Most types of lasers can operate in both CW and
pulsed mode, while there are few types that in principle cannot be run in CW mode.

The LIF spectroscopy can also be categorized according to its spectral operation, as
excitation LIF when selecting the excitation wavelength or as emission LIF when the emitted
light is spectrally analyzed. In excitation LIF spectroscopy, the excitation wavelength is
varied using a tunable laser and each time the total emitted light is detected using a filter in
front of the detector to remove any scattered laser light. In emission LIF spectroscopy, a
fixed wavelength laser is used to excite the sample and the emission spectrum is measured
by using a monochromator before the detector to scan the wavelength or by using a
spectrometer [31].

The high intensity light, achieved from focusing the pulsed laser beam, is able to induce
fluorophore excitation by the simultaneous absorption of two or more photons of lower
energy (longer wavelength) [32]. Multiphoton excitation has a rather small probability,
as it depends non-linearly to the light intensity (photon fluence) and becomes efficient
only in the region of the focal spot. For the two-photon absorption, there is quadratic
dependence on laser intensity. The excitation photons originate from one laser beam or by
different laser sources. The two-photon absorption spectrum may differ in shape from the
one-photon spectrum, as there are different selection rules applied for them that allow or
prohibit specific transitions [33]. The two-photon absorption laser induced fluorescence
(TALIF) spectroscopy could be complementary to the conventional LIF capable of revealing
energy states not accessible from one-photon transition, to excites in UV range using laser
of double wavelengths that are more easily available to clearly separate the excitation laser
wavelength from the detected emitted light.

LIF spectroscopy is often combined with the laser-induced breakdown spectroscopy
(LIBS) as an emerging analytical technique for the elemental analysis of various samples [34].
In LIBS, the sample is irradiated by a high-power pulsed laser to generate localized plasma
and breakdown the material into excited ionic and atomic species, whose emission is then
spectroscopically analyzed. By utilizing a second laser beam tuned to selectively excite the
plasma species, a great enhancement of their emission capability is achieved [35].
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1.6. Fluorescence Recording

The fluorescence signals could be recorded in several ways. In emission LIF spec-
troscopy, the intensity for each wavelength of the emitted light is recorded for a fixed
excitation wavelength to derive the fluorescence emission spectrum. In excitation LIF spec-
troscopy, the intensity of the total light emitted is recorded whilst scanning the excitation
wavelength to derive the fluorescence excitation spectrum.

There are other sophisticated methods of conventional fluorescence spectroscopy
that also apply in LIF, such as the synchronous fluorescence spectroscopy (SFS), the total
synchronous fluorescence spectroscopy (TSFS) and the excitation-emission matrix (EEM). In
SFS, the emission spectrum is recorded while both the excitation and emission wavelengths
are scanned simultaneously but maintaining a constant difference (offset) between them
Δλ [36]. Synchronous spectra provide more information compared to a single scan. In
TSFS, the output result is a contour map that contains numerous synchronous spectra
at different offsets. Finally, the EEM method that was introduced in 1977 [37,38] results
in a three-dimensional (3D) plot of fluorescence excitation wavelength versus emission
wavelength and intensity. It provides full detailed information that can be used to identify
several fluorophores present in complex mixtures. They are easy distinguished because the
maximum fluorescence intensity for each of them is resulted only from one pair of λex/λem
in the matrix.

Furthermore, for quantitative measurements, the data from recording spectra need to
be quantified. For this purpose, many standard fluorescence indices have been developed
and are defined as the ratios of emission intensity at two different points or areas [39]. The
data obtained from EEM are often reduced with statistical methods, with parallel factor
analysis (PARAFAC) be the most popular discriminant analysis.

1.7. Interferences in Fluorescence Measurement

Scattering is a major problem encountered in fluorescence measurements. There are
two types of scattering: the Raman (inelastic) and the Rayleigh (elastic) scattering. Rayleigh
scattering occurs when there are molecules of smaller size than the wavelength of the
excitation light, while the scattered light has the same wavelength. It is easily filtered out
from the longer wavelengths of emission. The Rayleigh scatter in EEM appears as a visible
diagonal line at the emission wavelength equal to the excitation wavelength, while for
the second order of Rayleigh scatter, the bright line appears at the emission wavelength
equal to double the excitation wavelength. Raman scatter happens because the light is
absorbed and re-emitted with loss in photon energy. The loss is due to the vibrational states
and the scattered light having a higher wavelength than the excitation light. Water has
scattering properties from the vibration of O-H bonds, and in aqueous samples the Raman
line appears in EEM as a diagonal line at excitation wavelengths from 260 to 350 nm and at
emission wavelengths from 280 to 400 nm.

The inner filtering effect (IFE) is another phenomenon that affects the recorded fluo-
rescence. The excitation IFE occurs because a part of the incident light is absorbed from
the fluorophore before reaching the sample area form where the fluorescence emission is
collected in. Therefore, when increasing the fluorophore concentration, the fluorescence
intensity increases up to a certain point and then starts to decrease. Moreover, the emission
of IFE is caused by the self-absorption of the emitted light by the fluorophore before it
reaches the detector. This results in a reduction of the recorded spectrum, where the ab-
sorption overlaps with the emission which changes the shape of the recorded spectrum
in the low wavelength portion. Additionally, IFE could be induced due to presence of
other chromophores that absorb the excitation or the emission light. In most environmental
samples, the main reason for the IFE is the naturally dissolved humic material [40]. The
IFE problem is compensated by reducing the path length in the sample for the excitation
or/and emission light and by diluting the water samples to have an absorbance of less than
0.1 at 254 nm [41].
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2. Applications of Fluorescence in Environmental Samples

The detection of target pollutants in liquid and solid environmental samples has
been extensively implemented by chromatographic methods coupled with fluorescence
detectors. Fluorescence detectors are of high selectivity as there are few compounds that
fluoresce. They are also of higher sensitivity (10–1000 times) compared to diode array
UV detectors. A tremendous number of publications are dedicated to the determina-
tion of pollutants such as polycyclic aromatic hydrocarbons (PAHs) in water [42–44], in
soils [45,46], in sediments [47,48], in pesticides in water [49,50], in soil [51,52], in pharmaceu-
ticals in water [53,54], in soils [55,56], in sediments [57,58] and in metals in water [59,60] by
chromatographic techniques coupled with fluorescence detectors. In all publications, a pre-
concentration of the samples is required, as the pollutants exist in very low concentrations.
The preconcentration can be achieved by liquid–liquid extraction, solid phase extraction
or solid phase microextraction for aqueous samples. For the solid samples such as soils
and sediments, solid-liquid extraction and fractionation according to pH have usually
been applied. Besides, fluorescence has been used for the direct characterization of quality
of environmental samples without preconcentration. The applications of fluorescence in
environmental samples without preconcentration are described as follows.

2.1. Applications of Conventional Fluorescence in Various Types of Water

Without any sample preconcentration and/or pretreatment (except filtration if nec-
essary), conventional fluorescence has revealed useful information about the water and
wastewater quality. The majority of studies have focused on the dissolved organic matter
(DOM), which is the major water constituent, while less have focused on oil pollution.

The first significant studies were those of Coble [61,62] that have characterized ma-
rine and terrestrial DOM in seawater by EEM fluorescence spectroscopy. The peaks were
classified into five categories and named as A, B, C, T and M. Both peaks A and C were of
humic-like fluorescence, with peak A irradiated by UV excitation and peak C by visible ex-
citation. Peaks B and T were of tyrosine-like and tryptophan-like fluorescence, respectively.
Peak M was specific for marine humic-like fluorescence.

The distinguishment between surface water from eastern (Atlantic and modified polar
water) and western (Canada-basin polar water) Arctic sectors was detected by using EEM
fluorescence spectroscopy [63]. In this work, the Eurasian polar water showed higher
visible DOM fluorescence signals than the water from the Canada basin.

The characterization and monitoring of wastewater in surface waters has been achieved
by EEM fluorescence spectroscopy [64]. The peaks T (living and dead cellular material and
their exudates) and C (microbially reprocessed organic matter) from wastewater samples
presented much higher intensity compared with those from natural waters. Furthermore,
peak T fluorescence was highly reduced after the biological treatment process, while peak
C was almost completely removed after the chlorination and reverse osmosis processes.

Another application of EEM coupled with principal component analysis and second
derivative analysis has characterized wastewater samples after each treatment process in a
municipal wastewater plant [65]. Figure 3 shows an example of a wastewater sample after
anaerobic treatment.

Another work [66] has used EEMs to distinguish the origin and the distribution of
DOM in different water samples such as oligotrophic oceanic waters, reef waters, river
waters and groundwater. The fluorophores that were identified within the samples were:
humic-like A, humic-like C, marine humic-like M, tryptophan-like T1 and T2 and tyrosine-
like B1 and B2. Some unknown peaks (U1 and U2) have also been identified.

Huang [67] identified six fluorophores by EEC-PARAFAC in the eutrophicated lake
Taihu during autumn. They were named A, B, C, N, M and T. The results showed that red
shift happened with increasing fluorescence intensity for peaks A (UV humic-like) and C
(terrestrial humic-like) while peak M had the reverse red shift. From another survey in the
same lake, only four fluorophores were detected during one month [68] by EEC-PARAFAC.
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Figure 3. EEM feature and the position of peaks A, C, B, M, H and T in a wastewater sample after
anaerobic treatment. Adapted with permission from Ref. [65]. 2018, Elesevier.

Goslan [69] studied the seasonal change of DOM and its effect on the treatment
processes by EEM and by synchronous fluorescence. At least two fluorophores were
identified in non-fractionated and fractionated (acids, bases, neutrals) water samples. The
fractionation of samples was performed by resin according to their hydrophobicity.

In rainwater samples [70], three fluorophores were identified by EEM: humic-like
C, tyrosine-like B and tryptophan-like T. In addition, the results show that humic-like
fluorescence was strongly influenced by terrestrial/anthropogenic sources, while tyrosine
and tryptophane-like fluorescence was not influenced from the meteorological variables.

Synchronized fluorescence by a conventional spectrofluorometer at Δλ = 30 nm be-
tween emission and excitation wavelengths was applied in an estuary located in northeast
Brazil [71]. Four peaks were identified at wavelengths 278–280 nm (peak I), 350 nm (peak
II), 385 nm (peak III) and 458–460 nm (peak IV). Peak I was due to microbial production
while peaks II, III and IV were related to humic and fulvic acids.

Generally, the main fluorophores and their positions as identified by most researchers [62,72]
in various types of water are summarized in Table 2.

Other researchers [73] have studied the oil dispersion in seawater by recording the
emission spectra. They found that the intensity at 445 nm is indicative of higher molecular
weight PAHs without having to measure the oil concentration.

The concentrations of three PAHs were predicted by EEM-PARAFAC in urban run-offs
from asphalt paved roads [74]. The PAHs that were studied were: phenanthrene, benzo (k)
fluoranthene and benzo (a) pyrene.

Table 2. Main fluorophores and their positions.

Name Letter Ex (nm)/Em (nm)

Humic-like C 340–360/420–480

Fulvic-like A 240–260/380–460

Tyrosine-like B (B1, B2) 265–285/290–310

Tryptophan-like T (T1, T2) 265–285/290–340

Microbial-like (Marine-like) M 310–330/390–410

Humic-like H 370–390/480–500

2.2. Applications of LIF in Various Types of Water

Laser induced fluorescence has also been used for the characterization of water quality
without any preconcentration. The majority of these studies have used solid state lasers.
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Uebel [75] applied the LIF method in order to detect water pollutants and their possible
interactions with phytoplankton and break-down products (yellow-substances) in situ.
They used a frequency doubled dye laser as an excitation source with a pulse energy
of 10 mJ and a pulse duration of 10 ns. The substances were excited in the range from
265 nm to 400 nm while the fluorescence signal was recorded in the range of 310 nm–750 nm.
Different fluorescence spectra appeared during ageing and dying of the phytoplankton.

For the detection of PAHs and oils in groundwater, Baumann [76] chose a nitrogen
laser and time-resolved LIF based on the different decay times of humic substances and
PAHs. They calculated the concentrations of 16 PAHs and found a good correlation with
the results obtained by HPLC coupled with a fluorescence detector.

In a work of Sivaprakasam and Killinger [77], two different LIF instruments were
tested for the determination of DOC and quinine sulfate in natural water samples, bottled
distilled and bottled drinking water samples, where it was found that plastic-related
compounds were leached into the water from the containers. One instrument utilizes a
UV tunable dye laser (200–285 nm, 0.2–5 μJ, 10 Hz) with a spectrometer and CCD detector,
while the other one is a portable system utilizing a fixed wavelength microchip laser (at
266 nm, 1 μJ, 8 KHz) with a gated PMT detector and bandpass interference filters. Although
both systems use laser pulses of the same energy, the higher repetition rate in the latter
system provides a much greater signal-to-noise ratio (SNR) measurements due to the high
pulse averaging and the higher total energy output. In conjunction with the detection
system, it was found to have a 10 times higher sensitivity than the first system, but with
much slower processing time to obtain a full emission spectrum. It was found to have up
to 100 times higher sensitivity from the best commercial portable spectrofluorometer, while
it was tested in situ for the determination of plastics and DOC in seawater samples [78].
Additionally, they upgraded it to have two interchangeable microchip lasers operating at
266 nm and 355 nm, achieving the tracking of DOC in the clean ocean water by continuously
operating the portable LIF system for five days [79].

The same portable LIF unit was tested to measure the fluorescence from tap water and
sea water after being treated by reverse osmosis [80] and in ground and drinking water
samples [81]. It was found that the deeper UV laser showed more distinct spectra with
quantitative features and gave better separation of the LIF from the Raman peak allowing
the detection of unique spectral features. Most of the LIF systems utilize laser sources in
deep UV.

Ghervase et al. [82] have chosen the fourth harmonic output of an Nd:YAG laser for
the excitation of both microbial and humic-like substances due to the high energy of the
excitation photons (266 nm). They detected the impact from human and chicken waste in
rivers and found that chicken waste had a specific fluorescence signature.

LIF and excitation-emission matrix (EEM) fluorescence were applied in river samples
from the lower basin of the Arges River. They detected urban sewage contamination by
picking up fluorescence signals, such as that from tyrosine and the presence of folded and
unfolded tryptophan residues [83].

Recently, Du et al. [84] have used a UV laser at 266 nm in order to detect the presence
of three aromatic amino acids in seawater (tryptophan, tyrosine, and phenylalanine) in situ.
The peaks of tryptophan, tyrosine and phenylalanine were detected at 350, 300 and 280 nm,
respectively, as shown in Figure 4, and their concentrations were quantified.

In a recent work [85] a small-sized spectrofluorometer operated at 278 nm was used
for the identification of oil products in seawater. They found that the spectral features were
changed depending on the state of the oil product.

A combination of LIBS and LIF was used in order to detect trace amounts of heavy
metals in water samples. Specifically, lead was detected by using a Q-switched Nd:YAG
laser to produce plasma, at 1064 nm or 532 nm [86]. In another work, lead was detected
by micro-LIBS with LIF by using a 170 μJ laser pulse for ablation and a 10 μJ laser pulse
for re-excitement [87]. Other metals that were detected with LIBS were cadmium after
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enrichment with a resin [88] and chromium [89,90]. In addition, LIBS portable compact
systems were employed for in situ seawater analysis for deep sea [91–93].

Figure 4. LIF spectra of the three aromatic amino acids as presented by [84].

A totally different application of LIF was used for the classification of viruses. In
a recent study [94], a laser at 266 nm with a pulse repetition of 10 kHz and a power of
25 mW has been used for virological analysis of environmental samples. Although the high
repetition rate of high energy pulses, the SNR was not always adequate to discriminate the
virus in small concentrations. However the LIF method could significantly reduce the time
and operational cost of virus analysis.

2.3. Applications of Conventional Fluorescence in Soils and Sediments

Conventional fluorescence has been applied in soils and sediments after isolation of
the target components such as humic substances, oils, etc.

Surface marine sediments were extracted by proper solvent and examined for the
presence of bulk PAH levels by a portable fluorescence apparatus [95]. The results showed
good correlation with the lab results.

EEM and synchronous scans were obtained by [96] to examine the concentrations of
PAHs in soils. By using a fluorescence fingerprints library with several EEM and SFS maps
for various dilutions of Romanian crude oil in methanol, they confirmed the identity of the
soil pollutant. They created a calibration to estimate the pollutant concentrations.

EEM–PARAFAC was used in a study [97] conducted in lake bottom sediments of
selected lobelia lakes in order to assess their properties and their origin. The optical
properties of HA extracted from the sediments were compared to the parameters that
describe their structural and chemical properties. Four components were identified: two
protein-like (C2 and C4), one humic-like (C1), and one fulvic-like (C2). The more dominant
component was C2 and the less dominant one was C4. Each of the components revealed
different information. The results showed that the organic matter (OM) present in the
bottom sediments from sampled lakes had autochthonic origin and consisted of mostly
labile organic compounds.

Five fluorescent components were identified by EEM-PARAFAC in soils and sediments
from two different estuaries in Spain and were found in both FA and HA fractions with
different abundance [98].

In surface and deep sediments from Toulon Bay in France, EEM-PARAFAC identified
two components [99]: a “fresh” particulate OM in surface sediments, which produces
protein like high molecular weight-DOM and low molecular weight-DOM and a “buried”
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particulate OM in the deeper sediment layer. In porewaters, three components were
identified: C1, C2—both humic-like—and C3 of protein-like fluorescence.

From another study [100] conducted in a forested watershed, three fluorescent com-
pounds were identified from soil/sediment HS: a terrestrial humic-like (C1), a microbial
humic-like or fulvic-like (C2) and a protein-like component (C3) as shown in Figure 5.
Component C3 was probably related to an autochthonous organic input to the reservoir
sediments and/or phenolic compounds. They used EEM-PARAFAC spectroscopy.

Figure 5. The three fluorescent components identified by EEM-PARAFAC. Adapted with permission
from Ref. [100]. 2017, Springer Nature.

EEM-PARAFAC has also distinguished soils that were treated with mineral fertilizers
and organic manure from those treated with only mineral fertilizer and those without
fertilization [101].

Synchronous fluorescence at Δλ = 20 nm has been applied in different types of soil
samples and revealed the presence of five main peaks at 360, 470, 488, 502 and 512 nm.
They assessed the soil humification degree in different types of soils [102].

2.4. Applications of LIF in Soils and Sediments

LIF has been applied to soil samples without any chemical and or/physical pretreat-
ment and extraction procedures.

The influence of a sewage-sludge addition on the OM of a Brazilian oxysol was studied
by an argon laser emitted at 351 nm with an output power of 400 mW [103]. The application
of LIF was performed on unfractionated soil samples, fractionated with chemical methods
and fractionated by physical methods (particle size). The results indicate that every particle
size fraction showed a different shape, revealing differences in organic compounds bounded
to them. It was also used to obtain LIF spectra of pelletized whole soils from different
origins and various depths [104]. A similar apparatus, utilizing a CW laser of 20 mW power
at 405 nm for the excitation, was used for the characterization of OM in pelletized soil
samples [105].

The LIBS spectra of soils were obtained using a Q-switched Nd:YAG laser at
1064 nm [106]. The humification degree (HD) of OM was evaluated for the first time
by LIBS. The results show high correlation with those determined by LIF using a CW diode
laser at 405 nm.

The results from the previous studies were compared in a review by Senesi [107] and it
was found that there is a high correlation between (HD) LIBS and (H) LIF index values, and
that LIBS can be used to evaluate the humidification degree of soil organic matter (SOM).

LIF was also applied in dry and hydrated crusts by an Nd:YAG laser operating at
532 nm with 7 ns pulses [108]. The microphytobenthos (MPB) showed three peaks (two
main at 570 and 650 nm, and a secondary at 720 nm) as is shown in Figure 6. Furthermore,
the only slight difference between bare soil, either dry or hydrated, was the intensity of
the peaks.
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Figure 6. LIF spectra obtained from soils and crust samples [108].

3. Remote Sensing

LIF has the great advantage of being expended to the outdoor environment. It is a
technique that can also be applied as remote sensing and, hence, it is called laser remote
sensing system LIDAR (light detection and ranging). It makes it possible to analyze
compounds from long distances and it can operate under full sunlight.

There are many studies about LIDAR systems for the measurements of hydrographic
parameters and substances in water. Nunes [109] has used a LIDAR using the 2nd harmonic
of Nd: YAG laser system with a pulse energy of 200 mJ, a duration of 10 ns and a repetition
rate of 10 Hz to measure chlorophyll a (685 nm) and DOM (from 540 to 620 nm) in deep sea
water. Babichenko [110] has used a LIDAR Nd: YAG laser at 355 nm and a four-channel
detector (355, 403, 450 and 680 nm) in order to measure chlorophyll a and other pigments
in the subsurface water layer.

Other researchers have used the laser beam of an excimer (308 nm) and of a tunable
dye laser (367 and 460 nm) to measure dissolved organic matter (DOM), chlorophyll a and
other pigments in the Black Sea [111,112] and in the Danube Delta [113].

The disadvantages of excimer lasers are their high purchase and maintenance costs
and the continuous need for gas supply compared with the solid state Nd:YAG lasers [114].

To the best of our knowledge, there are not any applications of LIDAR for monitoring
soil quality. The only recent application had the aim to evaluate the soil surface and furrow
cross-sectional area after a trailing shoe sweep [115].

4. Conclusions

The present study reveals the benefits of the application of fluorescence spectroscopy
to environmental samples in order to assess their quality. Fluorescence can be achieved
by the excitation of the compounds either by lamps or by lasers. In the first occasion, it
is considered as conventional fluorescence, while in the second it is called laser induced
fluorescence (LIF). Both of them have been applied mainly for the characterization of DOM
in various types of water, soil and sediment samples. In a lesser extent, they have been
applied for the detection of pollutants such as oil products in these samples.

In conventional fluorescence spectroscopy, the most common lamps are Xe and Hg.
The most use recording technique in conventional fluorescence is EEM combined with
PARAFAC analysis. It has been applied mainly for the characterization of DOM in various
types of water. For the majority of the studies, the results from EEM showed the presence
of peaks that have been categorized in five categories. The application of conventional
spectroscopy in soil and sediment samples after pretreatment for isolation has led to the
categorization of the same fluorophores.
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In LIF spectroscopy, the common light source is the solid state laser Nd:YAG, as it was
found to be more suitable for the detection of DOC and pollutants, followed by dye lasers
that offer excitation tunability for the recording the fluorescence intensity versus emission
wavelength. LIF has been applied less than conventional spectroscopy, especially in soil
samples, although no sample pretreatment was necessary. Furthermore, LIF has been used
for remote sensing measurements of various water systems by excimer and dye lasers.

LIF has proven to be a powerful tool for assessing the environmental quality and its use
is continuously extending. Lasers have the advantages of high sensitivity and selectivity,
as well as being versatile sources. Furthermore, the problem of quenching is minimized
because laser sources have very high intensities compared with the potential quenching. The
disadvantage is the restriction in excitation tunability that makes it difficult to record the EEM
in order to gain more information about the complexity of the environmental samples.
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Abstract: Polycyclic aromatic hydrocarbons (PAHs) comprise a group of chemical compounds
consisting of two or more fused benzene rings. PAHs exhibit hydrophobicity and low water solubility,
while some of their members are toxic substances resistant to degradation. Due to their low levels
in environmental matrices, a preconcentration step is usually required for their determination.
Nowadays, there is a wide variety of sample preparation techniques, including micro-extraction
techniques (e.g., solid-phase microextraction and liquid phase microextraction) and miniaturized
extraction techniques (e.g., dispersive solid-phase extraction, magnetic solid-phase extraction, stir bar
sorptive extraction, fabric phase sorptive extraction etc.). Compared to the conventional sample
preparation techniques, these novel techniques show some benefits, including reduced organic solvent
consumption, while they are time and cost efficient. A plethora of adsorbents, such as metal-organic
frameworks, carbon-based materials and molecularly imprinted polymers, have been successfully
coupled with a wide variety of extraction techniques. This review focuses on the recent advances in
the extraction techniques of PAHs from environmental matrices, utilizing novel sample preparation
approaches and adsorbents.

Keywords: PAHs; sample preparation; environmental samples; extraction; MSPE; SPME; FPSE; SBSE;
DSPE; PT-SPE.

1. Introduction

Polycyclic aromatic hydrocarbons (PAHs) are a large group of chemical compounds composed of
two or more fused benzene rings [1]. PAHs are hydrophobic compounds with low water solubility,
and their solubility in water and volatility decrease with an increase in their molecular weight [2].
PAHs consisting of up to four rings are known as light PAHs, while PAHs that are made of more than
four rings are known as heavy PAHs. Heavy PAHs are more stable and more toxic than the light
PAHs. These chemical compounds are widespread environmental contaminants that are considered
byproducts of the incomplete combustion of organic materials, such as coal, gas, garbage, meat, oil,
tobacco and wood, during natural or anthropogenic processes [1,3]. PAHs are toxic substances, which
are resistant to degradation and exposure to them may increase the risk of cancer [4]. As a result,
PAHs are considered by US Environmental Protection Agency (EPA) and the European Environmental
Agency to be priority pollutants [1]. Therefore, the determination of PAHs in environmental samples is
of high importance. Since PAHs exist in traces in environmental matrices, a preconcentration technique
is normally required. Figure 1 shows the chemical structures of common PAHs.
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Figure 1. Chemical structures of common polycyclic aromatic hydrocarbons (PAHs).

Currently, the most widely used methods for analyzing these pollutants in environmental matrices
are gas chromatography (GC), high performance liquid chromatography (HPLC) and ultra-high
pressure liquid chromatography (UHPLC) [3,5]. Various detection systems, including ultraviolet
detectors (UV) [6], diode array detectors (DAD) [3], fluorescence detectors (FLD) [1], mass detectors
(MS) coupled with HPLC and UHPLC and flame ionization detectors (FID) [7], MS detectors [5] and
tandem MS detectors (MS/MS) [8] coupled with GC have been used. Due to the enhanced sensitivity
in the determination of PAHs that results in lower LODs, mass detectors and tandem MS detectors are
generally preferred.

Solid-phase extraction (SPE) and liquid–liquid extraction (LLE) are two major sample preparation
techniques that have been widely used for the extraction and preconcentration of a wide variety of
analytes from environmental samples. However, both conventional techniques tend to have many
fundamental drawbacks, since they include complicated, time-consuming steps, while they require
large amounts of sample and organic solvents. Moreover, in both techniques there are difficulties in
automation [9,10].

In order to overcome these drawbacks, different microextraction techniques have been proposed
as an efficient alternative to classical extraction techniques, since the introduction of solid-phase
microextraction (SPME) by the research group of Pawliszyn [11]. Liquid-phase microextraction (LPME)
was introduced a few years later by Liu and Dasgupta, by using organic droplets suspended from the tip
of a microsyringe [12]. Those microextraction techniques are widely used today, and they offer certain
benefits compared to the conventional sample preparation techniques. Microextraction techniques
require a significantly lower sample amount, number of extraction steps, sample preparation time and
organic solvent consumption, and they comply with Green Analytical Chemistry principles [10,13].

Typical examples of miniaturized sample preparation techniques include dispersive solid phase
extraction (d-SPE) [14], magnetic solid-phase extraction (MSPE) [15], pipette tip solid-phase extraction
(PT-SPE) [16], fabric phase sorptive extraction (FPSE) [17], stir bar sorptive extraction (SBSE) [18] etc.
In recent years, a wide variety of novel sorbents, including molecular imprinted polymers (MIPs),
graphene, graphene oxide (GO), carbon nanotubes (CNTs), metal organic frameworks (MOFs), covalent
organic frameworks (COFs) and zeolitic imidazole frameworks (ZIFs) have been successfully coupled
with miniaturized extraction techniques and microextraction techniques [14,19–21].

Until now, a plethora of publications discuss the different analytical procedures for the extraction
of PAHs from liquid, solid and air matrices [22–29]. To the best of our knowledge, in the last five years
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there were no review papers regarding the extraction techniques of PAHs from environmental samples
with the novel miniaturized extraction and microextraction techniques. Herein, we aim to discuss the
recent advances in the extraction of PAHs from environmental samples. Emphasis will be given to the
miniaturized sample preparation approaches, as well as the novel sorbents and other materials that
have been successfully coupled with various microextraction techniques.

2. Extraction of PAHs from Environmental Matrices

A plethora of novel sample preparation techniques have been employed for the extraction of
PAHs. Figure 2 summarizes the recent advances in sorptive extraction techniques that have been
employed for the determination of PAHs from environmental samples.

Figure 2. Recent advances in sorptive extraction techniques for the determination of PAHs from
environmental samples.

2.1. Dispersive Solid-Phase Extraction of PAHs from Environmental Matrices.

Dispersive solid-phase extraction (d-SPE), is a form of SPE in which the desired sorbent is added
directly into the sample aqueous solution followed by dispersion. This technique is taking advantage
of the contact between the adsorbent and the target analytes. Once the extraction process is completed,
the sorbent with the adsorbed analytes is separated from the sample by a mechanical process, such as
centrifugation or filtration. Compared to the conventional SPE process, the main benefit of d-SPE is the
reduction of sample preparation time, as well as its simplicity, adaptability and easy handling. A wide
variety of sorbents have been utilized for the d-SPE of PAHs from environmental samples [30,31].

This technique gained popularity when Anastassiades et al. [32] introduced the QuEChERS
(Quick, Easy, Cheap, Effective, Rugged and Safe) approach for the determination of pesticide residue
in food of plant origin. The initial method consists of acetonitrile extraction and addition of a mixture
of salts, followed by a dispersive clean-up step with a primary–secondary amine (PSA) as extraction
sorbent. QuEChERS was quickly applied for the determination of other analytes in a variety of sample
matrices. Cvetkovic et al. [33] developed a QuEChERS extraction procedure of PAHs in soil prior to
their determination by GC-MS. The researchers evaluated different solvent systems (acetonitrile/water
and hexane/water) and sorbents (PSA, C18, Florisil, diatomaceous earth and clinoptilolite). Among the
tested parameters, the best results were obtained with acetonitrile/water, as the extraction solvent and
diatomaceous earth as the d-SPE extraction adsorbent.

Until today, a wide variety of novel extraction sorbents have been evaluated for the d-SPE of
PAHs from environmental matrices. Among them, metal-organic frameworks and zeolitic imidazole
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frameworks are currently the most popular d-SPE adsorbents. MOFs became widely known in 1995,
when Yaghi and Li [34] reported the hydrothermal synthesis of a MOF material with large rectangular
channels. Metal-organic frameworks are a class of hybrid organic-inorganic supramolecular materials,
which are based on the coordination of metal ions or clusters with bi- or multidentate organic linkers.
What makes MOFs materials so attractive is their unique properties, such as high surface areas (up
to 14,600 m2·g−1) [35], pore size tunability, structure flexibility, luminosity, thermal stability, charge
transfer ability from the ligand to the metal or from the metal to the ligands, etc [21,36–39]. As a result,
MOFs have gained attention in a plethora of applications, such as gas storage and separation [40],
catalysis [41], sensors [42], detoxification [43] and drug delivery [44]. In analytical chemistry, MOFs
have been evaluated as stationary phases for GC [45,46] and HPLC [47,48] analysis. However, today,
the most popular field of applications of MOFs in analytical chemistry is sample preparation [21,36].

Xia et al. [49] synthesized a JUC-48 (Jilin University China 48) from cadmium nitrate tetrahydrate
and biphenyl-4,4’-dicarboxylic acid, and used it for the d-SPE of PAHs from environmental matrices
prior to their determination by HPLC-FLD. The novel sorbent exhibited good characteristics regarding
its stability and morphology, high surface area and open adsorption site. The researchers observed
highly negative relationship between extraction capacity and molecule size. As a result, the JUC-48
adsorbent was used for the extraction of only light PAHs.

Amiri et al. [50] synthesized hybrid nanocomposites prepared from MOF-199 and graphene or
fullerene. MOF-199 was prepared from copper nitrate trihydrate and 1,3,5-benzenetricarboxylic acid.
Among the examined nanocomposites (i.e., MOF-199, MOF-199/graphene and MOF-199/fullerene), the
MOF-199/graphene nanocomposite exhibited the highest adsorption affinity towards PAHs, probably
due to the high porosity, surface area and adsorption capacity of graphene.

Zeolitic imidazole frameworks (ZIFs) are a sub-family of metal organic frameworks that favors
the benefits of both zeolites and MOFs. ZIFs are composed of imidazolate linkers and metal ions.
Their structures are similar to conventional aluminosilicate zeolites. Due to their intrinsic porous
characteristics and abundant functionalities, as well as exceptional thermal and chemical stabilities,
ZIFs have a wide range of potential applications [37,51].

Liang et al. [52] evaluated the application of a novel cellulose/zeolitic imidazolate frameworks-8
composite for the d-SPE of PAHs from environmental water samples. ZIF-8 is composed of zinc as
metal ion and 2-methyl imidazole as an organic linker, and it exhibits good characteristics for the
extraction of PAHs due to strong hydrophobic and π–π interaction, as well as permanent porosity and
high surface area. However, ZIF-8 suffers from tiny inner pores and strong hydrophobicity. In order
to overcome this drawback, ZIF-8 was modified with cellulose microspheres (CMs) generated from
natural cellulose. CMs exhibit macro/mesoporous structures, high surface area and abundance of
hydroxyl groups. Due to the combination of the benefits of both ZIF-8 and the CMs, the hybrid material
exhibited good extraction characteristics.

Other d-SPE sorbents that have been applied for the extraction of PAHs from environmental
samples include graphene/sepiolite [53] and N-acetyl-l-cysteine modified CdS quantum dots [54].

2.2. Magnetic Solid-Phase Extraction of PAHs from Environmental Matrices.

Magnetic solid-phase extraction (MSPE) is a form of d-SPE in which a magnetic nanomaterial
is added into an aqueous sample solution to adsorb the target analytes. After the adsorption of the
analyte, an external magnetic field is applied to collect the sorbent and the supernatant solution
is discarded. Subsequently, elution of the adsorbed analytes is achieved with the addition of an
appropriate solvent, and magnetic separation is performed once again to collect the eluent, which is
further analyzed by a suitable analytical technique. Compared to the conventional SPE procedure,
in MSPE there is no need for sorbent packing into cartridges, thus avoiding limitations of column
blocking and high pressure. Meanwhile, sample and organic solvent consumption is significantly
decreased compared to the classic SPE and LLE formats. Finally, the sorbent separation with a magnet
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is a simple and rapid process, compared to the time-consuming centrifugation and filtration steps that
are required in conventional d-SPE [55–57].

Magnetic nanoparticles (MNPs) are characterized by the general formula MFe2O4 (M = Fe, Co, Cu,
Mn, etc.), and they can be produced by a variety of methods, such as co-precipitation, solvothermal,
hydrothermal etc. The most common magnetic nanoparticles that have been used in order to fabricate
magnetic sorbents for MSPE are Fe3O4 nanoparticles. Iron oxides have been widely used in MSPE
due to their super paramagnetism, their low toxicity, their high magnetic saturation, their simple
preparation process and their low price [7]. The application of other magnetic nanoparticles, such as
MnFe2O4, have been also reported [58]. However, the utilization of MNPs in sample preparation has
some drawbacks, since their selectivity is low. Moreover, MNPs exhibit low stability in strong acidic
aqueous media and low dispersion ability in many sample matrices. Therefore, surface modification of
magnetic nanoparticles is usually required to enhance their stability and selectivity by the introduction
of special functional groups [7]. As seen in Table 1, a wide variety of chemical compounds including
carbon-based materials, polymeric materials, MOFs and other molecules have been employed for
this purpose.

2.2.1. Metal-Organic Framework Magnetic Nanocomposites for the MSPE of PAHs

A wide variety of metal-organic frameworks have been evaluated as sorbents for the MSPE of
PAHs from water samples, after functionalization with magnetic nanoparticles. HKUST-1 (Hong Kong
University of Science and Technology), was prepared from copper (II) nitrate hemipentahydrate and
benzene-1,3,5-tricarboxylic acid, and has been applied for the MSPE of PAHs from water and fruit
tea infusion samples, prior to their determination by UHPLC-FLD. The proposed method provided
adequate quantitation and reproducibility of heavy PAHs; however, extraction efficiencies were
relatively low and no sorbent reusability was reported [59].

MIL-101(Cr) is another MOF that has been used for the extraction of PAHs after its in situ
magnetization [60]. MIL-101 was prepared from chromium nitrate nonahydrate and terephthalic
acid, and the magnetic nanocomposite was prepared by the in-situ magnetization of MIL-101 and
silica-coated magnetite nanoparticles (Fe3O4@SiO2). The novel sorbent exhibited good extraction
characteristics, as well as a low sorbent quantity requirement. MIL-101 (Cr) modified zero valent
iron nano-particles have been also evaluated as an MSPE adsorbent for the extraction of PAHs [61].
Nanoscale zero valent iron exhibits increased specific surface area and more reactive sites on the
surface, compared to Fe3O4 nanoparticles. Moreover, it is very easy to prepare core-shell Fe@SiO2

through a one-step approach under normal temperature and pressure, which directly provides the
SiO2 layer. The novel nanocomposite exhibited high extraction efficiency and stability, since it was
found to be reusable at least 10 times.

MIL-100(Fe) has been also evaluated as a MSPE sorbent for the extraction of PAHs from water
samples [62]. The MIL-100(Fe) sorbent was prepared form iron (III) chloride hexahydrate and
1,3,5-benzenetricarboxylic acid, and it was functionalized with mercaptoacetic acid modified magnetite
nanoparticles. The novel sorbent was successfully applied for the MSPE of PAHs from river, well,
pond and tap water samples. Although satisfactory extraction recoveries were reported (>80%), no
data regarding sorbent reusability were provided. Huo et al. [63] prepared a magnetic MIL-100(Fe)
nanocomposite through an pyrolytic in situ magnetization approach. In this case, MIL-100 (Fe) was
placed in a tube furnace and it was calcined from 300 ◦C to 700 ◦C under nitrogen. The obtained
material exhibited high porosity and magnetic characteristics and it was found to be recyclable and
reusable (up to 10 times).

Zhang et al. [64] prepared a zinc benzimidazolate (ZIF-7) nanomaterial anchored onto
polydopamine-coated Fe3O4 nanoparticles. Due to the hydrophobic and π−π interaction between ZIF
and the target analytes, good extraction efficiency was reported. Moreover, the novel nanocomposite
was found to be reusable for at least 10 times.
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Covalent organic frameworks (COFs) are novel materials, structurally related to MOFs, consisting
of light elements (H, O, C, N, B, Si) connected with organic monomers through strong covalent bonds.
COFs comprise a class of ordered crystalline porous polymers that are characterized from superior
properties, including low crystal density, high specific surface area, pore size tunability and good
thermal stability [36,94,95]. He et al. [65] fabricated a bouquet-shaped magnetic porous nanocomposite
via grafting a COF prepared from 1,3,5-triformylphloroglucinol and p-phenylenediamine (TpPa-1)
onto the surface-modified magnetite nanoparticles. The novel sorbent contained clusters of core−shell
magnetic nanoparticles and interconnected porous COF nanofibers. Therefore, it exhibited high specific
surface area, high porosity, and supermagnetism.

Another covalent organic framework that has been evaluated as adsorbent for PAHs was
COF-LZU1 (= Lan Zhou University-1), after immobilization onto polyethyleneimine-functionalized
magnetic nanoparticles (COF-LZU1@PEI@Fe3O4) [66]. For this purpose, the examined COF was
prepared from 1,3,5-triformylbenzene and 1,4-diaminobenzene through a Schiff base reaction. The
novel sorbent exhibited good stability and reusability. Moreover, due to the strong π-stacking and
hydrophobic interaction, the novel sorbent was successfully applied for the MSPE of PAHs from water
and soil samples.

2.2.2. Carbon-Based Magnetic Sorbents for the MSPE of PAHs

Magnetic carbon-based nanomaterials exhibit superior extraction characteristics, due to the
combination of magnetic nanoparticles with carbon-based materials that pose many interesting
properties including good thermal stability and tunable miscibility, as well as good extraction
capability [67].

Carbon coated Fe3O4 nanoparticles were used for the extraction of PAHs from environmental water
samples prior to their determination by HPLC-FLD. Due to the large surface area of the nanomaterial
and strong adsorption ability of carbon material, high adsorption capacity and extraction efficiency
were obtained [68].

A hydrophilic carbon-ferromagnetic nanocomposite was also evaluated for the extraction of PAHs.
The sorbent was designed with a hydrophobic sublayer and a hydrophilic surface. As a result, the
sorbent exhibited good adsorption efficiency, due to the hydrophobic sublayer of the material, while
good compatibility with the aqueous matrices was reported due to its hydrophilic surface [5].

Carbon nanofibers (CNFs) decorated with Fe3O4 nanoparticles have been also evaluated as
adsorbent for the MSPE of PAHs from water samples. Carbon nanofibers are hydrophobic materials
with the ability to establish π–π interaction. Moreover, they exhibit high specific area and flexibility,
as well as high mechanical strength [7]. Magnetized graphene (G) layers immobilized on CNFs
have been also investigated for the MSPE of PAHs. Graphene is a single layer of carbon atoms that
was discovered in 2004 by Geim et al. [96]. In graphene, the carbon atoms are densely packed in a
honeycomb crystal lattice, which can be viewed as exfoliated “graphite sheets”. Graphene exhibits
superior properties, such as a high specific surface area, as well as good chemical stability and thermal
stability [6]. The combination of graphene and CNFs provided good adsorption of PAHs that can be
attributed to hydrophobic and π–π interactions [67]. A graphene/Fe3O4@polythiophene (G/Fe3O4@PT)
nanocomposite has been also used for the MSPE of PAHs. PT was employed used to enhance the
adsorption capacity of magnetic graphene, and also to provide long service life and stability [69].

Graphene oxide is the chemical compound with a form similar to graphene, which consists of
one-atom-thick two-dimensional layers of sp2-bonded carbon and is rich in oxygen-containing groups
including hydroxyl, carboxyl and epoxy groups. Graphene oxide exhibits high hydrophilicity and
dispersibility, as well as good thermal and mechanical stability and high surface area. GO interacts with
organic molecules through strong π-stacking, hydrophobic interaction and hydrogen bonding [57].

Magnetic graphene oxide has been used for the extraction of PAHs from water samples. The
composite sorbent exhibited ease in separation and satisfactory recoveries [6]. Polystyrene (PS) modified
magnetic GO (GO-Fe3O4@PS) was fabricated to enhance the extraction efficiency. Polystyrene is an
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inexpensive, high porous, environmentally friendly polymer that contains phenyl and alkyl groups [70].
Another polymeric material that has been employed for the functionalization of magnetic GO is
poly(pyrrole-co-aniline) in order to increase its efficiency. Both polyaniline (PANI) and polypyrrole
(PPy) are promising materials, due to their good chemical stability and ease of synthesis by the chemical
and electrochemical method of polymerization. The PANI and PPy copolymer combines the superior
properties of the two conducting polymers and its application for the modification of Fe3O4/GO can
result in a highly efficient sorbent [71].

Carbon nanotubes (CNTs) functionalized magnetite nanoparticles have been also employed
for the extraction of PAHs from water samples [72]. CNTs are interesting sorbents for volatile and
semi-volatile organic compounds due to hydrogen bonding, π-stacking and hydrophobic interactions.
CNTs are divided into single-walled (SWCNTs) and multi-walled carbon nanotubes (MWCNTs),
based on whether they consist of one or more sealed tube-shaped layers of graphene, respectively.
Adsorption of target analytes can take place in their easily accessible walls, as well as in their interstitial
sites [97]. MWCNTs functionalized Fe3O4 nanoparticles showed good extraction efficiency and
selectivity towards PAHs [72].

2.2.3. Molecularly Imprinted Polymers Magnetic Nanocomposites for the MSPE of PAHs

Molecularly Imprinted Polymers (MIPs) are synthetic polymeric materials that are composed of
imprinted sites complementary to a specific chemical molecule. MIPs show high affinity towards the
target analytes with analogous molecular structure, resulting in high extraction ability [55]. Molecular
recognition is attributed to a combination of shape and size and hydrogen bonding, as well as
electrostatic and hydrophobic interactions. MIPs are stable at a wide pH and temperature ranges and
in most organic solvents, while there is normally no requirement for special storage conditions [98,99].

MIPs can be prepared through covalent, non-covalent and semi-covalent approaches, and their
preparation is based on the polymerization of a functional monomer and a cross-linker around a
template molecule. The template molecule should be able to interact with the functional monomer
to develop complexes that further interact with the cross-linker during the polymerization reaction.
Subsequently, the template molecule is removed and a MIP with imprinted sites complementary to the
molecular structure and the functional groups of the template is created. Normally, after the synthesis
of MIPs, extensive washing is required to remove any residual molecules of template. However, even
after many washing steps, bleeding of the template has been reported. In order to overcome this
drawback, MIPs can be prepared from templates with chemical structure that is analogue to the target
molecules [98,100].

Magnetic MIPs combine the benefits of ease in separation of magnetic materials with the high
molecular recognition of MIPs. Many researchers reported the synthesis of magnetic MIPs as adsorbents
of PAHs from environmental samples.

Villar-Navarro et al. [73] used a commercially available magnetic MIP (mag-MIP) by NanoMyP®

(Granada, Spain) that was able to extract the 16 EPA-regulatd PAHs. The examined sorbent exhibited
good extraction efficiencies (98.8–100%) for the more lipophilic PAHs, however, for the less lipophilic
PAHs, extraction recovery rates were lower (46–60%). Finally, mag-MIP was found to be reusable at
least three times. Benedetti et al. [74] managed to improve the extraction efficiencies by implementing
a Plackett-Burman experimental design. In this case, all recovery values were higher than 76%.

Azizi et al. [8] reported the synthesis of a MIP sorbent by surface polymerization onto
magnetic Fe3O4@SiO2 nanoparticles through reversible addition fragmentation chain transfer (RAFT)
polymerization. For this purpose, methacrylic acid and isopropyl acrylamide were used as functional
monomers. In this case, extraction recoveries ranged from 4.5% to 97%, thus extraction of “heavy”
PAHs was found to be more efficient compared with the extraction of “lighter” PAHs.
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2.2.4. Polymer-Modified Magnetic Nanoparticles for the MSPE of PAHs

Polymers are promising materials in separation science, due to the fact that their network can
be chemically anchored around the magnetic core, thus providing large π-conjugated structure,
hydrophobicity and polar functional groups for adsorption [58]. Various polymers including
polydopamine [75], polypyrrole [76], poly(o-toluidine) [58] and polyaniline [77]. Polyaniline and
its derivatives are one of the widely used polymers for the extraction of various types of organic
compounds, because of their good stability in high temperature, air and different solvents [58].

Polydopamine (PDA) functionalized magnetic nanoparticles have been also employed for the
extraction of PAHs. PDA exhibit several significant advantages, including biocompatibility, good
dispersibility in water, as well as multifunctional groups (amino and catechol groups) that enhance the
extraction efficiency of PAHs due to π–stacking interaction [75].

Polypopyrole [76], due to its hydrophobicity, large π-conjugated structure, hydrogen bonding
and ion exchange properties, exhibits good extraction efficiency and selectivity towards PAHs.

Polyaniline-coated magnetite nanoparticles incorporated in alginate beads have also been
employed for the MSPE of PAHs in water samples. In this case, the alginate beads assisted in the
increase of the surface area for polyaniline coating, and the novel nanocomposite showed satisfactory
extraction efficiency towards the PAH analytes, due to the π–π interactions between the polyaniline
moieties [77].

Poly(o-toluidine) (PoT) coated MnFe2O4 magnetic nanoparticles have been also successfully
employed as a magnetic adsorbent for the MSPE of PAHs from water samples [58]. Due to the π−π
interactions between the active sites of PoT and PAHs, a satisfactory extraction efficiency was reported.

2.2.5. Ionic liquids Modified Magnetic Nanoparticles for the MSPE of PAHs

Ionic liquids (ILs) are a green alternative to conventional organic solvents that have gained a
lot of attention lately. ILs are generally composed of bulky, non-symmetrical organic cations (i.e.,
imidazolium, pyrrolidinium, pyridinium, ammonium, phosphonium etc.) and different inorganic or
organic anions (i.e., tetrafluoroborate anions, bromide anions etc.) [101–103]. The increased popularity
of ILs may be attributed to their extraordinary properties, such as a negligible vapor pressure, good
thermal stability, as well as tunable viscosity and miscibility with water and organic solvents. By
choosing the cationic or the anionic constituent of ILs, their polarity, hydrophobicity, viscosity and other
chemical and physical properties can be tuned, in order to prepare ILs with the desired characteristics.
Due to their special structures, ionic liquids also exhibit good extractability for various organic
compounds and metal ions [103]. As a result, ionic liquids have been successfully coupled with various
extraction techniques for the extraction of PAHs.

Galán-Cano et al. [78] prepared ionic liquid-coated magnetic nanoparticles (IL-MNP) and used
them for the MSPE of PAHs from water samples, prior to their determination by GC-MS. For this
purpose, methylimidazolium-chloride was used to modify Fe3O4@SiO2 magnetic nanoparticles by a
simple metathesis reaction, using potassium hexafluorophosphate as a reagent. Due to the covalent
immobilization of the ionic liquid onto the surface of silica coated Fe3O4 nanoparticles, the developed
sorbent exhibited good stability, and it was found to be reusable for up to 10 times.

Cyano-ionic liquid functionalized magnetic nanoparticles (MNP@CN/IL) have been also employed
for the MSPE of PAHs from environmental water samples, prior to their determination by
HPLC-DAD [79]. For this purpose, 1-benzyl-3-(trimethoxysilylpropyl)imidazolium chloride was
chosen as IL, and it was used to modify the cyano-functionalized magnetic nanoparticle. The
combination of the cyano group and IL on the surface of the MNPs provided good extraction efficiency,
probably due to the combination of π−π and electrostatic interaction.

Magnetic nanoparticles coated with a polyaniline-di-cationic ionic liquid (MNP-PANI-DICAT)
were prepared and used for the MSPE of PAHs in environmental samples [80]. The novel sorbent
combined the benefits of PANI and ionic liquids. Due to the π–π interaction between polyaniline shell
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and di-cationic IL with PAHs compounds, high extraction efficiency was observed. Moreover, the
novel MSPE sorbent exhibited satisfactory stability, since it was found to be reusable up to five times.

Liu et al. [81] fabricated a magnetic ionic liquid functionalized methyl orange nanoparticles
(Fe3O4@IL@MO), by self-assembly of the 1-octadecyl-3-methylimidazolium bromide and methyl
orange on the surface of Fe3O4 silica magnetic nanoparticles. The novel sorbent was successfully
applied for the MSPE of PAHs from environmental water samples. Due to the presence of benzene rings
of methyl orange and the hydrocarbon chains of ILs, the sorbent provided adsorption sites for organic
pollutants through π–π and hydrophobic interactions. The silica modified Fe3O4 nanoparticles were
found to be reusable after washing, however, assembling with IL and methyl orange was also required.

2.2.6. Other Magnetic Nanocomposites for the MSPE of PAHs

Naphthyl functionalized magnetic nanoparticles (Fe3O4@SiO2@Nap) have been used for the
extraction of PAHs from river waters, prior to their determination by HPLC-FLD. Due to the condensed
cyclic structure and the hydrophobic property of naphthyl, the novel sorbent exhibited satisfactory
selectivity and extraction efficiency through π−π interactions [1].

Phosphatidylcholine (PC) is a phospholipid consisting of a long double carbon chain, and the
zwitterions’ pair headgroup is composed of phosphate and choline. The extraction of PAHs can be
assisted, due to the middle hydrocarbon chains that provide adsorption sites due to hydrophobic
interactions. Meanwhile, the zwitterions pair headgroups endow the outer surface of the substrate
with perfect hydrophilicity and biocompatibility [82].

Another example of composite material exhibiting both hydrophilicity and hydrophobicity
is the magnetic nanocomposite prepared from nanoparticles functionalized with divinylbenzene
(DVB) and sulfonate moieties (Fe3O4-DVB-SO3

-). In this case, the hydrophobic DVB moieties
were dedicated for extraction, while the hydrophilic sulfonate groups were introduced to
enhance dispersion of the magnetic sorbent in the aqueous sample solution [83]. A
hydrophilic–hydrophobic magnetic Fe3O4-doped polymeric nanoparticle (MPNP), prepared from
highly charged poly(styrene-divinylbenzene-co-4-vinylbenzenesulfonic acid sodium salt) has been
also employed for the determination of PAHs in environmental matrices [3].

Triphenylamine (TPA) has been employed for the functionalization of magnetic nanoparticles
(Fe3O4/SiO2/TPA). Due to the strong π–π conjugate effect between the three benzene rings of TPA and
PAHs, satisfactory extraction efficiency and selectivity were observed [84].

Other examples of chemical compounds and groups that have been employed for
the functionalization of magnetic nanoparticle for the MSPE of PAHs from environmental
samples are C18 [85], hemimicelles of alkyl (C10-C18) carboxylates [86], n-octadecylphosphonic
acid [87], nylon 6 [88], cetyltrimethylammonium bromide (CTAB) [89], palm fatty acid [90],
1,4,7,10-tetrabenzyl-1,4,7,10-tetraazacyclododecane (TBCD) [91], tetraazacalix[2]arence[2]triazine
(TCT) [92] and n-hexadecylsilanol-diol (C16-HO) [93].

2.3. Solid-Phase Microextraction of PAHs from Environmental Matrices.

Solid-phase microextraction is a sample preparation microextraction technique in which the
analytes are directly extracted and preconcentrated at the outer coating of a fused-silica fiber [104].
There are two approaches of SPME that can be used to extract analytes, the headspace (HS-SPME),
where the fiber is exposed to the gas phase above the sample, and direct immersion (DI-SPME), where
the fiber is directly immersed into the sample solution [105]. After the extraction, desorption takes
place either thermally in the injection port of a gas chromatograph or by the addition of an organic
solvent [104,105].

Until now, there are many different commercial SPME coated fibers, such as
polydimethylsiloxane (PDMS), polydimethylsiloxane/divinylbenzene (PDMS/DVB), polyacrylate (PA),
carboxen/polydimethylsiloxane(CAR/PDMS) and divinylbenzene/carboxen/polydimethylsiloxane
(DVB/CAR/PDMS) [105]. However, most of them more or less have some disadvantages, such as
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low selectivity, ease of fiber breakage, a short lifetime and swelling in organic solvents. In order to
overcome them, various new coatings have been prepared and evaluated [106].

Ionic liquids and polymeric ionic liquids (PILs) have been successfully employed as
SPME coatings, due to their simplicity of synthesis and their high tuneability, that enable the
preparation of highly selective fibers [107]. PILs are polymers prepared from IL monomers.
Compared with conventional ILs, PILs exhibit a number of advantages when used as
coatings in SPME. Generally, PILs often have solid nature and good thermal and mechanical
strength, while extraction selectivity is similar with ILs. As a result, they have proved to be
more stable coatings [107,108]. Various PILs including poly(1-vinyl-3-hexadecylimidazolium)
bis[(trifluoromethyl)sulfonyl]imide [109], poly(1-4-vinylbenzyl)-3-hexadecylimidazolium
bis[(trifluoromethyl)sulfonyl]imide [110], poly (1-vinyl-3-octylimidazolium)
2-naphthalene-sulfonate [111] and poly(1-(4-vinylbenzyl)-3-hexadecylimidazolium
bis[(trifluoromethyl)sulfonyl]imide [112] have been successfully used as coatings used for
the SPME of PAHs. In most cases, the PIL was initially prepared and diluted in a volatile solvent
(i.e., acetone or chloroform), and a bare fiber (usually made from stainless steel) was immersed in the
solution, followed by slow removal and air drying to remove any excess of solvent that may contribute
to high background signals in gas chromatography [109,110,112]. However, in situ polymerization
of the IL and creation of the SPME coating on the surface of a stainless steel wire has also been
reported [111].

Graphene [113,114], graphene oxide [115–117], MWCNTs [118,119] and other carbon based
materials [120] have also been successfully employed as SPME sorbent coatings, either neat or
combined with other materials in order to generate more efficient composites. These materials exhibit
high chemical, thermal and mechanical stability, as well as great affinity towards PAHs. Additionally,
due to their unique structures and sufficient surface areas, rapid extraction and desorption of the target
analytes can be achieved [107]. Various techniques for the preparation of the coated fibers including
the chemical bonding [113,115,117], electrophoretic deposition [119] and sol-gel approaches [120] have
been also evaluated.

Metal-organic frameworks (MOFs) are also promising sorbents for SPME coatings [107,121].
A wide variety of MOF materials, such as HKUST-1 [122], MOF-199 [123], ZIF-8 [124], TMU-6
(Tarbiat Modares University) prepared from N1,N4-bis((pyridin-4-yl)methylene)-benzene-1,4-diamine
and 4,4′-oxybisbenzoic acid) [125], MOF-177 prepared from zinc nitrate hexahydrate and
1,3,5-tris(4-carboxyphenyl)-benzene [126], UiO-6 (University of Oslo) prepared from zirconium
chloride and terephthalic acid [127], an ytterbium based MOF prepared from aminoisophthalic
acid and 2,2’-bipyridine [128], as well as bio-MOF-1 prepared from 4,4’-biphenyl dicarboxylic acid
(BPDC), zinc acetate dihydrate and adenine [129].

The main considerations when preparing MOFs for extraction purposes are their stability under
extraction conditions, and their ability to establish interactions with the target analytes. Moreover,
when fabricating MOFs as coatings for SPME fibers the mechanical and thermal stability should be
carefully evaluated. The main procedures that can be used to obtain MOF coatings include physical
adhesion, immersion in a suspension of MOF, in situ growth and electrodeposition [107].

A metal-azolate framework 66 (MAF-66) has been also used for the SPME of PAHs from
environmental samples. Metal-azolate frameworks are a subfamily of MOFs that have recently gained
attention. MAF-66 was prepared from 3-amino-1,2,4-triazole and zinc hydroxide and was used to
fabricate a SPME coating by a layer-by-layer deposition method, providing enhancement factors of
123-3108 [130].

Examples of other materials that have been employed to fabricate SPME
coatings for the extraction of PAHs include polyaminithiophenol (PATP) with Au
coating [131], poly(3,4-ethylenedioxythiophene)@gold nanoparticles[132], crosslinked methyl
methacrylate–polyhedral oligomeric silsesquioxane hybrid polymeric coating [106], nanostructured
octadecyl silica [133] and polythiophene/carboxylic acid modified multi-walled carbon nanotube
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composite [134]. In the latter approach, the researchers developed a novel SPME technology, in which
the features of heating the sample, cooling the sorbent and extraction under vacuum condition were
combined [134].

PAL (Prep And Load solution) SPME Arrow technique [135] has been also evaluated for the
extraction of PAHs from environmental samples. This technique is based on the use of a robust
stainless-steel backbone, carrying the connection to the PAL sampler, the coating and an arrow-shaped
tip for septum penetration. SPME Arrow combines the benefits of conventional SPME with the larger
sorption phase volumes that are used in stir bar sorptive extraction (SBSE). At the same time, the
disadvantages of both techniques include the difficulty in automation for SBSE, and the small volume
of sorption phase, as well as the low robustness of classical SPME fibers. The results indicated that
extraction efficiency significantly benefited from the larger sorption phase volume.

2.4. Stir Bar Sorptive Extraction (SBSE) and Stir Rod Sorptive Extraction (SRSE) of PAHs from
Environmental Matrices.

Stir bar sorptive extraction was initially introduced by Baltussen et al. in 1999 [136]. In SBSE,
a coated stir bar is placed into the vial together with the aqueous sample solution. Extraction of
the target analytes takes place under rigorous stirring. When equilibrium is reached, the stir bar is
removed and elution of the adsorbed analytes takes place either by the addition of an organic solvent
or thermally [18]. SBSE by nature is an equilibrium technique, and for water samples the extraction
of the target analytes into the extraction medium is controlled by the partitioning coefficient of the
solutes between the coating phase and the aqueous phase [137]. Polydimethylsiloxane (PDMS) is the
most used commercially available coating phase for stir bars, however, the synthesis and application
of many novel coating materials has been reported.

PDMS coated SBSE bars have been successfully used for the extraction of PAHs resulting in
good recoveries and low detection limits [138–142]. Apart from the conventional PDMS stir bars,
various novel coating materials have been evaluated for the extraction of PAHs from environmental
samples. Typical examples are polymeric materials that have been evaluated, as stir bar coatings
are polypyrrole and polyaniline copolymer (PPy-PAN) [143] and (octyl methacrylate- ethylene
dimethacrylate) copolymer [144]. Poly (ethylene glycol)-grafted multi-walled carbon nanotubes have
been also evaluated for the extraction of PAHs from environmental samples [145]. In this case, the
extraction efficiency was favored by the superior characteristics of MWCNTs and the ease in operation
of the SBSE technique.

Hu et al. [146] prepared polydimethylsiloxane/metal–organic framework (PDMS/Al-MIL-53-NH2)
coated stir bars and used them for the extraction of PAHs. The novel PDMS/MOFs-coated stir bars
achieved higher extraction efficiencies for PAHs than the commercial PDMS-coated stir bar. In this
case, the reported MOF was prepared from terephthalic acid and aluminum chloride. In contrast to
the conventional PDMS coating, in which extraction is based only on hydrophobic interactions, the
PDMS/MOF composite also takes advantage of the π−π conjugations.

Benede et al. [147] used stir bar dispersive liquid microextraction (SBDLME) for the extraction
of PAHs from natural waters. SBDLME is a hybrid approach that combines the benefits of SBSE and
DLLME. For this purpose, a neodymium stir bar was magnetically coated with a magnetic ionic liquid.
At high stirring rates, the ionic liquid was dispersed into the solution, followed by being magnetically
retrieved onto the stir bar when the extraction was completed. Subsequently, thermal desorption took
place and PAHs were determined in a GC-MS system. The novel method exhibited high sensitivity
and low LOD values.

Luo et al. [148] developed a stir rod sorptive extraction (SRSE) method for the preconcentration
PAHs from water samples, prior to their determination by GC-MS. SRSE is an improved format of SBSE,
which has been proposed to avoid the friction loss of extraction coatings that exist in conventional
SBSE procedure. In SBSE, a stir rod (glass insert with coating) is immersed in the sample solution
to adsorb the target analytes [149]. For the extraction of PAHs, a graphene-polymer composite was
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evaluated. Due to the high specific surface area and π–stacking properties of the hybrid coating, good
extraction efficiency was reported [148].

Automated stir plate sorptive extraction (SPSE) coupled with HPLC-FLD has been also evaluated
for the extraction of PAHs. For this purpose, automatic extraction, desorption and sample loading,
was controlled by a programmable flow injection system, and extraction of PAHs took place on the
surface of a PDMS/β-cyclodextrin/divinylbenzene (PDMS/β-CD/DVB) coated plates. The researchers
investigated three different operation modes, including static, circular flow and continuous flow SPSE.
It was found that extraction efficiencies with continuous flow SPSE were slightly better than circular
and manual SBSE, probably due to the continuous introduction of new sample solutions [150].

2.5. Liquid-Phase Microextraction of PAHs from Environmental Matrices.

Liquid-phase microextraction (LPME) is a miniaturized version of classical LLE, which is
characterized by minimum consumption of solvents. LPME can be divided into three main categories,
the single-drop microextraction (SDME), the hollow fiber liquid-phase microextraction (HF-LPME)
and the dispersive liquid-liquid microextraction (DLLME), with the latter being the most widely used
LPME form [151].

HF-LPME is usually based on the use of disposable propylene porous hollow fibers that are filled
with a small amount of extracting solvent (acceptor phase). In order to extract the target analytes, the
fibers are immersed into the aqueous sample solution (donor phase) [151,152].

On the other hand, in single-drop microextraction (SDME), a drop acts as the acceptor phase for
the extraction. SDME can be divided into two main categories i.e., the direct-immersion single-drop
microextraction (DI-SDME), in which the drop is directly immersed into the sample, and the headspace
single-drop microextraction (HS-SDME), in which the drop is suspending over the sample [153].

DLLME is based on the initial fast injection of a suitable mixture of two solvents, an extraction
solvent and a dispersive solvent, into an aqueous sample solution with the assistance of a syringe,
followed by the formation of a cloudy solution that contains droplets of the extraction solvent dispersed
into the sample. After phase separation due to the difference in density of the two phases (e.g., by
centrifugation), the extraction phase can be removed and analyzed. In the conventional form of DLLME,
the extraction phase is accumulated at the bottom of the extraction container [151,154]. DLLME is
considered to be simple, cheap and environmentally friendly, while it provides high enrichment. The
proper selection of the extraction and dispersive solvents are two critical factors for the optimization of
DLLME procedure. Therefore, the dispersive solvent has to be immiscible with the extraction solvent
and the aqueous sample, in order to generate a cloudy solution that increases the interaction between
the two phases, in order to increase the extraction efficiency [155].

Until today, many different DLLME methods have been proposed for the extraction of PAHs. In
2006, Rezaee et al. [156] developed a DLLME method for the determination of PAHs in surface water,
using tetrachloroethylene and acetone as extraction and disperser solvent, respectively. In order to
decrease the extraction time, the main drawback of DLLME is the requirement for organic solvents
with a density higher than water, in order to be sedimented at the centrifugation step. Guo et al. [157]
proposed a low-density solvent-based solvent demulsification DLLME approach. For this purpose,
after the formation of the emulsion of the aqueous sample, the disperser solvent (acetone) and the
extraction solvent (n-hexane), more acetone was added as demulsification solvent, to break up the
emulsion. Since no centrifugation was required, the whole procedure was very rapid (2–3 min). A
special extraction cell has been also employed for the DLLME of PAHs, based on the use of low-density
solvent. Hosseini et al. [158] evaluated the application of air flotation to assist the phase separation,
using toluene as an extraction solvent. In this case, the organic solvent was collected at the top part of
the designed cell, and no centrifugation was required in this procedure.

The combination of ultra-sound radiation [159] and vortex radiation [160] with DLLME has
been evaluated in order to assist the extraction process, and to achieve high extraction efficiency in a
short period of time [161]. With the assistance of radiation, the mass transfer of target analytes from

198



Molecules 2020, 25, 2182

the sample to the extraction solvent was facilitated, due to the shorter diffusion distance and larger
interfacial area [160].

Ultrasound-assisted emulsification microextraction (USAEME) is a similar approach with
ultra-sound assisted DLLME, however, in USUAEME, the dispersion of the extraction solvent in the
aqueous sample is attributed to ultra-sound radiation, and no disperser solvent is added. In this case,
ultrasonic radiation is used to overcome the drawbacks of disperser solvent, such as the decrease
of partition coefficient of analytes into an extraction solvent al [161,162]. USAEME methods for the
extraction of PAHs from environmental samples, using toluene [161], chloroform [162], iso-octane [163]
and cyclohexane [164] as extraction solvents have been reported. The combination of ultrasound
radiation and iso-octane as extraction solvent enabled the handling of high volumes of sample, thus,
after concentrating the organic solvent phase, enhancement factors of up to 100,000 were reported.
Moreover, the phase separation of iso-octane and sample was assisted by the addition of sodium
chloride (NaCl), and no centrifugation was required [163].

An interesting approach to DLLME and USAEME that can be employed for the separation of
the extraction solvent is the solidification of floating organic droplet (SFO). In this case, the sample
solution is transferred into an ice bath after the extraction process and the floating organic droplet is
allowed to solidify. When solidified, the droplet is removed and placed in a vessel to melt prior to
the instrumental analysis [165,166]. Yousefi et al. [167] evaluated the use of a deep eutectic solvent
(DES) tetra-n-butyl ammonium bromide (TBAB) carboxylic acids for the extraction of PAHs from water
samples based on solidification of floating organic droplet. DESs are eco-friendly solvents, which are
usually prepared from a hydrogen bond acceptor (e.g., choline chloride salt) and a hydrogen bond
donor (e.g., urea, glycerol, carboxylic acids etc.) that can be associated with each other with hydrogen
bond interactions. Among the benefits of DESs is their easy preparation from biocompatible, nontoxic
and biodegradable chemical compounds [167,168].

The application of ionic liquids in DLLME has been also studied in order to replace the
environmentally hazardous volatile organic solvents that are commonly used. Pena et al. [169]
developed a DLLME procedure using 1-octyl-3-methylimidazolium hexafluorophosphate ([C8

MiM][PF6 ]) IL as extraction solvent. Due to the chemical affinity between the IL and the PAHs, good
extraction recoveries and enhancement factors was reported.

In order to enhance the extraction efficiency and the enhancement factors, Liu et al. [170] combined
an SPE method based on a macrocyclic polyamine-functionalized silica with an ionic liquid DLLME
procedure. For this purpose, after the elution of PAHs from the SPE column with acetone, distilled
water and 1,3-dibutylimidazolium bis[(trifluoromethyl)sulfonyl]imide ([BBIM][Tf2N]) as extraction
solvents were rapidly injected for the DLLME procedure.

In order to enhance the sensitivity of the determination of PAHs in environmental matrices,
Shamsipur and Hashemi [171] combined the SBSE with dispersive liquid–liquid microextraction, based
on the solidification of floating organic drop. For this purpose, the target analytes were extracted on
the surface of a PDMS coated stir bar, which was further placed in a glass vial containing methanol
(disperser solvent). After the elution of PAHs, the stir bar was removed and 1-undecanol was added as
an extraction solvent. After centrifugation and cooling in an ice bath, the organic drop was collected.
Finally, the drop was again melted at room temperature, mixed with acetonitrile and analyzed in a
HPLC-UV system. The combination of the extraction techniques provided good extraction recoveries
and low LOD values.

Finally, Fernandez et al. [172] developed a lab on valve DLLME method for the extraction of
PAHs, prior to their determination by HPLC-FLD. For this purpose, trichloroethylene was used as the
extraction solvent, and acetonitrile was used as the dispersive solvent. The automated instrumentation
simplified the extraction process and exhibited satisfactory enhancement factors (86–95). Table 2
summarizes the applications of DLLME and USAEME in the extraction of PAHs from water samples.
Even though DLLME is the predominant form of LPME that has been employed for the extraction of
PAHs, the use of SDME [173,174] and HF-LPME [175,176] has been also evaluated.
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2.6. Fabric Phase Sorptive Extraction of PAHs from Environmental Matrices.

Fabric phase sorptive extraction (FPSE) is a novel sample preparation technique proposed by
Kabir and Furton in 2014. FPSE utilizes a natural or synthetic fabric substrate, which is chemically
coated in the form of ultra-thin coating with sol-gel organic-inorganic hybrid sorbent as the extraction
medium. For the FPSE procedure, the sol-gel sorbent coated FPSE media is immersed into a mixture
of appropriate solvents, to remove any undesirable impurities from the material, and rinsed with
deionized water to remove residual organic solvents. Subsequently, the FPSE media is submerged into
the sample solution placed in a glass vial. A magnet is added into the sample solution, and the sample
is magnetically stirred for certain time span for the adsorption of the target analytes. Finally, the FPSE
media is removed, and elution of the analytes takes place into another vial containing appropriate
elution solvent. Analysis of the eluent can take place after centrifugation and or/filtration [177–180].

FPSE provides high primary contact surface area, thus, rapid and efficient analyte extraction can
be easily achieved. Moreover, FPSE is also characterized by low organic solvent consumption, ease in
operation, reusability and good selectivity towards the target analytes, which is based directly on the
different nature of the fabric substrates and the sol-gel coating. Until today, the use of various fabric
substrates, including cellulose, fiber glass and polyester, as well as several sol-gel coatings, including
polyethylene glycol, polytetrahydrofuran and polydimethyldiphenylsiloxane have been evaluated as
adsorbents for a wide variety of analytes [17,178,181,182].

A trace-level determination of selected PAHs in environmental water samples using FPSE prior to
their determination by HPLC-FLD has been reported. For this purpose, a non-polar sol-gel C18 coated
FPSE media was prepared and conditioned in a mixture of methanol and acetonitrile for 5 min, and
then rinsed with deionized water. The extraction of PAHs took place in a glass vial containing 10 mL
of the aqueous sample solution, in which the sol-gel C18 coated FPSE media was directly immersed.
After 30 min under constant stirring at 1000 rpm, the FPSE media was removed and PAHs were eluted
with acetonitrile under ultrasonic radiation for 5 min. The developed FPSE-HPLC-FLD protocol was
proved to simple, efficient, fast, sensitive, green, economical and reliable for trace level determination
of environmentally important PAHs [183].

Recently, fabric-phase sorptive extraction was coupled with ion mobility spectrometry (IMS) for
on-site rapid detection of PAHs in aquatic environment [184]. Ion mobility spectrometry is a rapid and
sensitive gas-phase analytical technique, which can be employed for the in the field testing of various
chemical compounds, due to its fast analysis and compact size [185]. For the fabrication of the FPSE
media, PDMS was coated on the glass fiber cloth through a sol-gel reaction. Glass wool was chosen
based on the inlet temperature of IMS, since the thermal desorption of the PAHs was performed after
inserting the FPSE media the inlet port of the IMS instrument directly after analyte extraction. Under
optimum conditions, low LODs and satisfactory recoveries were obtaining, thus enabling the on-site
monitoring water quality.

2.7. Other Extraction Techniques for the Determination of PAHs in Environmental Matrices.

Yang et al. [186] synthesized MOF-5 from terephthalic acid and zinc acetate, and evaluated it as a
sorbent for the SPE of PAHs from environmental samples. Therefore, 300 mg of MOF-5 was packed
into SPE cartridges. Although MOF-5 is known to be unstable when exposed to water, the researchers
reported that the derived material of MOF-5 still demonstrated good extraction characteristics. This
was attributed to the π–π conjugate effect between the terephthalic acid molecules of the framework
and the PAHs and the π-complexation between PAHs and the central zinc ions. The analytes were
further separated and detected in a HPLC-UV system. The method exhibited satisfactory extraction
ability and low LODs (0.4–4.0 ng L−1), however, no sorbent reusability was reported.

Hu et al. [187] evaluated two zeolitic imidazolate frameworks for the SPE disk extraction of PAHs
in aid of filter membrane of PAHs from environmental water samples. The studied ZIFs were both
composed of the same metal ion (zinc) and organic linker (benzimidazole), thus differing in spatial
structures with one in cube (ZIF-7), while the other was in rhombic dodecahedron (ZIF-11). ZIF-11
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with markedly better extraction efficiencies due to its unique spatial structure with large cages and its
molecular composition that was composed of abundant benzyl groups and metal sites on the surface.

ZIF-8 [188] has been also evaluated for the porous membrane-protected micro-solid-phase
extraction (μ-SPE) of PAHs. For this purpose, the sorbent was packed in a sealed porous polypropylene
membrane envelope. The novel extraction devices exhibited good extraction characteristics and
decreased consumption of the organic solvent.

A molecularly imprinted polymer has been also applied for the SPE of 16 PAHs from seawater,
prior to their determination by GC-MS [189]. MIPs were prepared by using the 16 PAHs mixture
through non-covalent polymerization as a template based on sol-gel surface imprinting. The developed
sorbent exhibited good affinity towards the target analytes. Other examples of novel SPE sorbents that
have been implemented for the extraction and preconcentration of PAHs from environmental samples
include a cyclodextrin-silica microporous composite [190,191], aminopropyl imidazole-modified silica
gel [192], tetraazacalix[2]arene[2]triazine [193], titanium oxide nanotubes [194] and a titanate nanotube
array modified by cetyltrimethylammonium bromide [195].

Krupadam et al. [196] prepared MIP microspheres in a continuous segmented flow microfluidic
reactor, and used them as packing material for microtraps for the selective extraction of benzo[a]pyrene
from environmental water samples. For this purpose, the pumping of monodisperse droplets of
acetonitrile containing methacrylic acid as the functional monomer took place, benzo[a]pyrene was used
as a template, and ethylene glycol dimethacrylate as cross-linking monomer into the microchannels of
the microfluidic reactor. The obtained microspheres exhibited high extraction efficiency and selectivity
towards benzo[a]pyrene. In comparison with commercially available activated carbon, the novel
microspheres showed 300% higher adsorption capacity.

A portable system for the in situ extraction of PAHs was proposed by Foan et al. [197]. The
researchers designed a microfluidic device for the fast extraction of PAHs using low volume samples.
The work was performed on a lab-on-a-chip, made of a silicon/glass microfluidic device functionalized
with PDMS. Among the benefits of the novel technique was the low organic solvent consumption
and the portability. A comparison of the novel device with SBSE showed approximately 50 times less
sample preparation time for the high molecular weight PAHs. However, for the lightest PAHs, the
performance of the microchip required improvement.

Flow injection solid-phase extraction (FI-SPE) of PAHs from environmental samples with novel
extraction sorbents has been also proposed by the research groups of Wu [198] and Zhou [199]. The first
group used a multi-walled carbon nanotubes (MWCNTs)-packed micro-column for the extraction
of PAHs, prior to their determination by GC-MS, while the second group prepared a copper(II)
isonicotinate coordination polymer packed in a pre-column for the extraction of PAHs, prior to their
determination by HPLC-DAD. Both methods exhibited good extraction characteristics. In the case
of GC-MS detection, after the FI-SPE process, the eluates were collected, and manual injection was
performed, while for the HPLC-DAD analysis elution of the adsorbed analytes was also performed
on-line in the backflush mode by the HPLC mobile phase directly into the chromatographic column,
thus minimizing the required analysis steps.

In-syringe solid-phase extraction of PAHs has been also proposed for the on-site sampling of
water samples. In-syringe SPE is characterized by portability, simplicity in use, low cost and short
extraction time. Zhang et al. [200] evaluated the application of MIL-101 as a novel sorbent, due to its
good thermal and mechanical stability, as well as its resistance towards organic solvent and waters. The
proposed technique exhibited excellent adsorption performance, since the analytes could be completely
adsorbed during one adsorption cycle, thus reducing the extraction time. Moreover, it was found that
the adsorbed analytes remained stable on the in-syringe device for at least 7 days.

3. Conclusions

A wide variety of novel microextraction techniques and miniaturized extraction techniques have
been developed and applied for the extraction of PAHs from environmental samples. Most of the novel
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extraction techniques are variations of the conventional SPE approach, however LLE based extraction
approaches have been also developed.

Unequivocally, a lot of progress has been made in the field of sorbent development for micro
and miniaturized solid-phase extraction sample preparation techniques. Metal-organic frameworks,
covalent organic frameworks, zeolitic imidazole frameworks, graphene, graphene oxide and carbon
nanotubes are some typical examples of novel extraction sorbents that have been implemented as such,
or after surface modification for the extraction of PAHs from environmental samples. At the same
time, ionic liquids, polymeric ionic liquids and deep eutectic solvents have been implemented in liquid
phase microextraction approaches as extraction solvents and in solid-phase extraction approaches for
the surface modification of a plethora of adsorbents.

The selection of the extraction technique, as well as the extraction sorbent can be based on the
needs of the analysis (e.g., selectivity) and the laboratory equipment. MSPE and d-SPE are some
examples of simple, rapid and environmentally friendly extraction procedures, that have recently
gained a lot of attention, due to their convenience in sample handling. The application of these
techniques has rapidly increased, and a wide variety of sorbents have been evaluated. Other novel
miniaturized extraction forms, including SBSE, PT-SPE and FPSE have also become popular during
the last years. These techniques have been evaluated in less extend compared to SPE, MSPE and d-SPE
methods, however, due to their ease in operation, they are considered useful alternatives that enrich
the toolbox of analytical chemists.

Proper attention should be also given to the stability of the sorbent in the case of solid-phase
extraction, since physical and chemical stability in aqueous solutions is important to provide sorbent
reusability, which significantly reduces the cost of the analysis. An important technical problem that
has to be overcome is the limited stability of some SPE sorbents (e.g., MOFs) in an aqueous environment
that limits their applications, their potential regeneration and recyclability. Another bottleneck of many
sample preparation techniques is the lack of compatibility with desorption chambers for HPLC and
GC applications.

Therefore, when designing novel sorbents for the extraction of PAHs from environmental matrices,
their stability should be carefully examined. Moreover, it is generally preferred to prepare sorbents
rich in π-electron moieties. In this case, the extraction of PAHs can be assisted through π-stacking, as
well as hydrophobic and hydrogen interactions. Additionally, developing materials with an improved
affinity towards PAHs, such as MIPs, has also proved to enhance the selectivity and sensitivity of
PAHs extraction. Finally, sorbent functionalization with appropriate materials, such as polymers, ionic
liquids etc., can also be beneficial for the overall extraction process.

Coupling and combination of different extraction approaches has been also reported for the
efficient extraction and enhancement of PAHs from environmental matrices. For this purpose, a
solid-phase extraction technique (e.g., SBSE, d-SPE) can be followed by an LPME technique, to further
increase the extraction sensitivity.

Future perspectives in the field of sample preparation of environmental samples for PAHs
extraction, should focus on developing robust extraction approaches of the on-site extraction and the
determination of the environmental contaminants. For this kind of approach, several sorbents and
extraction techniques can be examined in order to develop accurate, sensitive and selective sample
preparation methods.
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Abstract: Within the frame of this article, briefly but comprehensively, we present the existing
knowledge, perspectives, and challenges for the utilization of Layered Double Hydroxides (LDHs)
as adsorbents against a plethora of pollutants in aquatic matrixes. The use of LDHs as adsorbents
was established by considering their significant physicochemical features, including their textural,
structural, morphological, and chemical composition, as well as their method of synthesis, followed
by their advantages and disadvantages as remediation media. The utilization of LDHs towards the
adsorptive removal of dyes, metals, oxyanions, and emerging pollutants is critically reviewed, while
all the reported kinds of interactions that gather the removal are collectively presented. Finally, future
perspectives on the topic are discussed. It is expected that this discussion will encourage researchers
in the area to seek new ideas for the design, development, and applications of novel LDHs-based
nanomaterials as selective adsorbents, and hence to further explore the potential of their utilization
also for analytic approaches to detect and monitor various pollutants.

Keywords: layered double hydroxides (LDHs); removal; pollutants; wastewater treatment

1. General Background

Freshwater quality has been threatened over the few last decades due to rapid ur-
banization. To meet the enhanced demand for products, the expansion of industrial and
agricultural activities is taking place at an accelerated pace, which ends up releasing a
large number of contaminants into water bodies [1,2]. In turn, these activities can lead
to water contamination with various types of chemical substances, which are constantly
and well reported in the specialized literature; namely dyes, metals, refining substances,
pharmaceuticals, fertilizers, personal care products, pathogenic bacteria, and more. The
most common between of them are:

Dyes: Various colored substances are widely utilized as dyes by the textile, food, paper,
and pharmaceutical industries. Among these sectors, the textile industry releases 10 to
15% of the dyes produced in the environment. These elements, even in low concentrations,
can pose a threat to the environment and living beings. The presence of dyes in water
resources reduces the penetration of light through the water, affecting photosynthesis and
dissolved oxygen levels, and harming the aquatic biota. In addition, some dyes can degrade
to produce highly toxic and carcinogenic compounds [3–5].

Metals: Effluents from industries such as battery manufacturing, electroplating, min-
ing, smelting, and many other industrial activities consist of heavy metals mixtures (such
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as Cd, Pb, Hg, Cu, Ni, Cr, As). The presence of these metals in water bodies is harmful
to human health, as they are bioaccumulative and toxic. Among the negative effects of
these elements in living beings, even at a low concentration are diarrhea, stomach pain,
headaches, chronic bronchitis, and lung cancer [3,6,7].

Pharmaceuticals: Drugs are widely used in human medicines, livestock, aquaculture,
beekeeping, and poultry to aid species growth. Currently, the release of these elements
into the environment is not always absolutely regulated/controlled; hence, it is difficult to
monitor their effects on living beings. The discharge of drugs into water resources occurs
through the excretion of compounds not metabolized by living beings and industrial and
hospital effluents. The continued presence of these pharmaceutical pollutants can cause
oxidative stress and negative effects on reproduction (sperm motility and abnormal fetal
development), osmoregulation, and altered immune functions in aquatic biotics [8,9].

Emerging pollutants: In general, emerging pollutants are chemical or microbiological
products that are not commonly monitored or regulated and can cause problems to the
environment as well as to the health of living beings. Except for the abovementioned,
substances that can end up acting as pollutants are usually found in personal care products,
pharmaceuticals, industrial additives, pesticides, plasticizers, and solvents. Among these
substances, exposure to emerging organic compounds such as phenol, benzene, toluene,
and xylenes can cause serious health problems such as gastrointestinal disorders, lung and
kidney damage, heart attacks, and cancer. Yet, the increased use of pesticides and personal
care products has increased dramatically in recent years. Although these products appear
in low concentrations in water bodies, they can negatively influence the environment due
to their resistance to biodegradation and accumulation in tissues [3,10].

Among the several technologies applied for water treatment, adsorption using layered
double hydroxides (LDHs) will be highlighted in this article. Adsorption is a unitary oper-
ation in which the separation process occurs due to contact between a fluid phase—in this
case, liquid—containing one or more contaminants (adsorbate) to be adsorbed/removed,
and a solid (adsorbent). Due to the imbalance of forces (attraction or repulsion) for adsorp-
tion, the contaminant is attracted to the solid surface by physical or chemical interactions.
This mass transfer process occurs until the balance between the adsorbed contaminant
and what remains in the liquid phase, the residual, is reached. This is termed equilibrium.
Adsorption is recognized as an effective process for water treatment due to certain charac-
teristics, such as high efficiency, feasibility, low cost, flexibility, simplicity, wide processing
range, cost-effective applications for water treatment, easy operation and implementation,
great availability, and the possibility of adsorbents’ regeneration. A very important as-
pect is that the adsorption-based processes do not result in the formation of hazardous
substances/by-products [1,3,11–13].

Around 70% of the adsorption operation cost is related to the adsorbents [14]. There-
fore, scientists involved in this area play a fundamental role in the development, charac-
terization, and optimization of novel adsorbents. Hence, we seek materials with low cost
and ease of production, high efficiency and selectivity towards the removal of the targeted
contaminant, large surface area and volume of accessible pores, and good mechanical
resistance. It is also desirable for the adsorbents to be regenerated/reused for numerous
sufficient cycles to justify the costs.

Currently, and within this context, layered double hydroxides (LDHs), also known
as anionic clays, have drawn great attention in their application as adsorbents. Several
researchers have proposed the use of LDHs as efficient adsorbents against a plethora of
organic and inorganic contaminants [4,15–18]. Furthermore, recent research demonstrates
that biochar/LDH co-blends are highly promising, sustainable, and eco-economic materials
for water treatment. Conventional adsorbents such as activated carbon have specific
limitations such as high cost, low reuse performance, and low selectivity for water treatment.
On the other hand, biochar/LDH blends can have a low cost, high surface area, an elevated
amount of active adsorption sites, inherent interchangeability, a considerable increase in
anions, and less toxicity for the removal of organic substances [19–23]. A wide variety

216



Molecules 2022, 27, 4900

of works have focused on evaluating the adsorptive capacity of LDHs against various
pollutants such as dyes, drugs, arsenic, rare earth, radioactive substances, phosphate,
metals, among other pollutants. Table 1 collects the most important advantages and
disadvantages of using LDHs for water treatment compared to other materials [19–26].

Table 1. Advantages and disadvantages of using LDH in water treatment.

Advantages Disadvantages

Low cost Few studies regarding their toxicity in
the environment

Sustainable nature Current methods limit the amount of
LDHs produced

Can be engineered for specific purposes Few studies on its application in real
wastewater

Excellent thermal stability Functional groups preferences for anionic dyes
High removal efficiency Can be exfoliated during synthesis

Extensive specific surface area Cannot be easily regenerated/reused
High number of active sites

Easy to prepare
Memory effect

High anion exchange capacities
Chemical stability

Considering the enhanced surface chemical heterogeneity and the nanostructured
nature of LDHs, their elevated remediation efficiency against different substances is linked
in the literature to plenty of physical and/or chemical interactions, with the most reported
ones collected in Figure 1 [15,27]. Among all the interactions/mechanisms involved in the
removal of various pollutants by Layered Double Hydroxides (LDHs), the most predomi-
nantly reported are:

(1) Physical adsorption. LDHs can have a high specific surface area, and hence present
high adsorption capacities due to the presence and availability of active adsorp-
tion sites. Furthermore, the specific surface area of LDHs can be increased through
calcinating or modifying/depositing on supports with three-dimensional structures.

(2) Ion exchange. Strongly negative molecules can be easily changed for the original
anions in LDHs. In addition, positive ions can also be exchanged in the intermediate
layer of LDHs, if pre-interleaved by some chelators.

(3) Interleaving. This starts from a preparation process, such as co-precipitation. Fur-
thermore, the capture of molecules via the intercalation process is faster and more
complete than ion exchange.
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Figure 1. All the reported interactions/mechanisms involved in the removal of various pollutants by
Layered Double Hydroxides (LDHs).

2. LDHs Physicochemical Characteristics

For the design and utilization of a proper adsorbent, certain characteristics are essential,
such as low production cost, thermal, mechanical, and chemical stabilities, desirable
physicochemical characteristics (such as elevated textural properties and high surface
functional groups availability), high efficiency and adsorption capacity, rapid kinetics, and
regeneration/reuse potential [28]. Some of the mentioned properties can only be verified
when applying the material in a specific process due to the dependence on operational
conditions and adsorbate characteristics. Of course, it is very challenging to develop
materials that possess all the abovementioned characteristics. Thus, scientists involved
in the water purification area of research have developed and tested a broad range of
materials. Among them, layered double hydroxides (LDHs) are prominent and meet many
demands, considering the sustainability of the approach, high anion exchange capacity,
high specific surface area, high ion exchange capacities, and regenerative adsorptivity [28].
In addition to their attractive properties as adsorbents, LDHs have applications in various
fields such as drug carriers, catalysis, flame retardants, pharmaceutical transport systems,
electrocatalytic water separation, additives for polymers, photocatalytic degradation, and
medicine [6,18,29].

LDHs are two-dimensional (2D) nanostructures composed of stacked layers consisting
of mixed hydroxides of di- and trivalent cations with hydrated anions in the spaces between
the positively charged lamellae (Figure 2). LDHs are also called hydrotalcite compounds,
due to the rigid layer structure derived from brucite with edge-sharing M(OH)6, similar
to flexible graphene oxide nanosheets [30]. In general, such materials are represented by
the formula: [M2+

1−xM3+
x(OH)2]x+. Am−

x/m.nH2O [30], where M2+ represents a divalent
metal cation; M3+, the trivalent cation; Am−, an anion intercalated with charge m; X, the
ratio between divalent (M2+) and trivalent cations (M3+), for which the value of the molar
ratio can be between 2.0 and 4.0; and n, the number of soft water molecules. Many divalent
(such as Mg2+, Fe2+, Ca2+, Co2+, Cu2+, Ni2+, and Zn2+) and trivalent (such as Al3+, Cr3+,
Ga3+, Mn3+, and Fe3+) metal cations can be used for the preparation of LDHs. Except
for bivalent and trivalent metal ions, a wide range of monovalent and tetravalent metal
ions (such as Li+, Ti4+, Sn4+, or Zr4+) may also be inserted in the octahedral sites [31]. In
addition, the electroneutrality of LDHs can be due to the presence of hydrated organic
or inorganic anions (CO2−

3 , NO−
3 , SO2−

4 , OH−, Cl−, Br−) in the interlamellar space [18].
Because of these and the different combinations between the cations that participate in
the formation of the layers, LDHs can have numerous structural varieties. However, this
combination must consider the octahedral coordination and the ionic radius (preferably

218



Molecules 2022, 27, 4900

between 0.50 and 0.74 Å), as distortions may occur with the use of cations. In addition, it is
necessary to consider the relationship between the size and charge of the interlayer anion
so that it is possible to balance the positive charges of the layer homogeneously [32].

Figure 2. A schematic presentation of the layered double hydroxides (LDHs) chemical composition
and structure. Figure reproduced from reference [30]. Copyrights Elsevier, 2022.

For LDHs, the precisely controlled chemical composition of the lamellar layers and
the interlayer composition provide a unique supramolecular nanometric structure with the
ability to disperse active sites on an atomic scale, in addition to facilitating morphological
manipulation [33,34]. Thus, the versatility of the chemical composition and nanostructure
of LDHs establish them as promising adsorbents against a wide variety of pollutants.
The most attractive properties of LDHs are the chemical compositions according to the
metals used, the space between layers, and the high surface capable of adsorbing bioactive
substances, which are dominated by the synthesis conditions [32]. All the above can be
tuned on demand based on the synthetic approach/protocol. Another important feature
of LDHs is the ease, low cost, and variety of available synthesis methods, which can be
classified as direct and indirect methods:

(i) Direct methods: The preparation of LDHs occurs via direct precipitation from the
addition of tri- and divalent cations, in a solution in alkaline pH with the main
methods of coprecipitation, salt–oxide, sol–gel, induced hydrolysis, and hydrothermal
synthesis.

(ii) Indirect methods: involve replacing an interlamellar anion from a previously pro-
duced precursor LDH. Examples of this substitution method are ion exchange in
solution, ion exchange in acidic medium, double phase replacement, and regeneration
through the delaminate precursor [35–37]. Therefore, the supramolecular structure,
the facile manipulation of adsorption sites at the atomic scale, the versatility of com-
positions, in addition to the possibility of morphological manipulation create the
possibility of tuning the amount and accessibility of the active adsorption sites, and
hence the adsorption kinetics, as well as the efficiency for a specifically targeted pollu-
tant [34]. As in any case, LDHs have some specific characteristics that can complicate
their use as adsorbents. The low mechanical resistance is a problem for continuous
water treatment units and in certain regeneration processes, as LDHs can be exfoliated.
Therefore, there is a series of studies in the literature proposing to support LDHs in
larger and recalcitrant particles [38–40]. In addition, in acidic media, the removal
capacity of LDHs is compromised due to low structural stability at low pH [26]. In
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Table 2, we collected characteristics of methods of synthesis which can be followed for
the preparation of pure LDHs, as well as their composites and hybrids [18,25,41,42].

Table 2. Provides details of some of the methods used for the synthesis of LDH.

Methods of Synthesis Characteristics

Coprecipitation

This method is based on the controlled and slow addition of a base (such as sodium
hydroxide and/or bicarbonate, sodium carbonate or ammonium hydroxide) to a solution
containing simultaneous divalent and trivalent metal cations. Since more than two cations
can precipitate simultaneously, the process must be carried out under supersaturation
conditions. It is recommended that the pH of the reaction medium be kept constant in the
range of 7–10. Subsequently, the suspension is subjected to hydrothermal treatment to
increase the yield or crystallinity.

Salt-oxide

This method was developed by Boehm in 1977 to prepare zinc and chromium LDHs, using
an aqueous suspension of ZnO to react with excess CrCl3 in an aqueous solution. The
salt–oxide method, in short, is a solid–liquid reaction in which the aqueous solution of the
excess trivalent ion chloride salt is treated with an aqueous suspension of the divalent
metal oxide.

Sol-gel

This synthetic protocol is widely used for the preparation of a plethora of metal oxides due
to the possible high efficiency and purity of the final material. One important advantage of
this method is the variety of compositions obtained through temperature adjustment. This
process consists of the constant agitation of the component that transforms sol to gel. This
sol–gel transformation occurs during the strong acid hydrolysis of metallic precursors,
predominately using a strong acid such chloric acid or nitric acid. After the formation of the
gel, the material is filtered and washed with distilled water, and later with ethanol.

Hydrothermal

The hydrothermal method is generally used when low-affinity anions need to be
intercalated into the intermediate layers. This method uses gibbsite and brucite,
double-layered hydroxide–deoxycholate intercalation compounds, which are not feasible to
obtain easily via other syntheses. An aqueous suspension consists of two oxides, one
trivalent metal ion and the other bivalent, which are placed in a pressurized container and
subjected to hydrothermal treatment at high temperature for a few days. During this
process, the hydrated amorphous precursor crystallizes in the presence of reactive
basic oxide.

Ion exchange

This is an indirect method usually applied to pre-synthesized LDHs. This method is used
when the anions or the divalent/trivalent metal cations are unstable in the alkaline solution,
or when the LDHs have a greater affinity for the guest anions than for the intercalated
anions of a pre-synthesized LDH. An aqueous suspension of the LDH
precursors/pre-synthesized is mixed with a large excess of the salt of the anion to be
intercalated. The reaction is carried out under an inert atmosphere to avoid excess
carbonate in the intermediate layers. It is recommended the reaction not occur at pH lower
than 4, due to the anion interaction in the LDH layers being weaker and presenting a high
temperature in this pH range.

Regeneration/“memory effect”

One of the main properties of LDH is its ability to restructure. After being subjected to heat
treatment or calcination (400 to 500 ◦C), the layered structure of LDH changes to mixed
metallic oxides (water, anion, and hydroxyl groups are highlighted). When calcined LDH is
placed in a solution containing guest anions, they can recover their original layered
structure and form a new LDH phase. This procedure of retrieving its original form
(rehydration) is called the “memory effect”, and must be carried out in an inert atmosphere,
mostly comprised of nitrogen.

3. LDHs as Adsorbents

As already mentioned, LDHs are very promising materials for the removal of a wide
variety of pollutants via adsorption. There are many reports in the literature; consequently,
we will address some of the most important ones that gather the highest level of research
attention for specific pollutants, with emphasis on the utilized LDHs.

Dyes: The presence of dyes in water and wastewater is highly undesirable, and LDHs
have been reported as efficient remediation media of a large number of industrial dyes [4].
Dyes are mainly categorized into anionic and cationic dyes. LDHs can remove anionic
dyes in the same order of magnitude as cationic dyes in activated carbon [43,44]. Examples
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of anionic dyes include methyl orange, amaranth, sunset yellow FCF, reactive blue 21,
Eriochrome Black T, Congo red, and others. In the literature, it is common to find reports of
high adsorption capacities regarding the removal of cationic dyes by LDHs [4,18,45].

El-Abboubi et al. [45] evaluated the double hydroxides of Mg-Al synthesized with
dodecyl sulfate (Mg-Al-Ds) and carbonate (Mg-Al-CO3), through the coprecipitation
method to remove methyl orange from aqueous solution. The prepared LDHs showed
the intercalary-like structure with (00l) reflections and a nanoscale nature, as well as the
presence of the desired anions in the interlayer space. The maximum capacities were
185.06 mg·g−1 for Mg-Al-Ds and 97.5 mg·g−1 for Mg-Al-CO3. They also observed the
influence of the pH of the solution on the adsorption capacity of the dye in the case of
Mg-Al-CO3. The adsorptive capacity of Mg-Al-Ds was not influenced by the pH of the
solution, while Mg-Al-CO3 showed greater efficiency at pH in the range of 3–7. According
to the authors, this behavior may be associated with two mechanisms: (1) anion exchange
of carbonate anions for dye anions; (2) association of the positively charged surface groups
of LDHs and dye anions.

Kostić et al. [18] synthesized MgCoAl-CO3-LDH double hydroxides using the copre-
cipitation method for the removal of dye RB19 from an aqueous solution. The material
presented a surface area of around 48 m2·g−1, high crystallinity and the presence of car-
bonate, hydroxyl, and metal ions groups within its structure. The proposed adsorption
mechanisms involved in the process were electrostatic attraction, physisorption, and chem-
ical bonding. The maximum capacity was found to be equal to 367.93 mg·g−1.

Ahmed et al. [4] prepared Mg/Fe-LDHs nanoparticles through the precipitation
method for adsorption of Congo red dye from effluents. The Mg/Fe-LDHs showed high
crystallinity and the presence of hydroxyl functional groups. The adsorption process was
governed both by physical and chemical interactions, with the maximum capacity reaching
above 9000 mg per gram.

Metals: The discharge of heavy metals into water bodies results in harmful effects to
the environment and human health due to their toxicity and persistence. The presence of
these elements in water systems has caused concern in recent years; hence, the interest in
novel and efficient remediation media is still elevated [9,16]. In the literature, it is quoted
that the work of Satoshi Fujji et al. [46], from 1992, was the first in which LDHs were
used for metal removal (Pb2+, Cu2+ and Zn2+) [47]. There is no established mechanism for
sorption/adsorption of metals in each LDH; hence, the study of the involved mechanism of
interaction is still a major challenge for researchers in the field. However, several possible
mechanisms/kinds of interactions are proposed, such as surface complexation, isomorphic
substitution, surface precipitation, and electrostatic interactions, and chelation with the
binding anion has been reported [16,29,48].

Dinari and Neamati [48] synthesized Ca/Fe double hydroxides (LDHs) modified with
3-aminopropyl triethoxysilane as the silane coupling agent. Polyaniline nanocomposites
with 5 and 10% by weight of modified silane Ca/Fe LDH-Cit were also studied. Pure
polyaniline and that modified with NCs were used as adsorbent to remove Pb2+ ions from
an aqueous solution. The results showed that NC10% showed higher adsorptive capacity
(110 mg·g−1; 0.52 mmol·g−1) compared to NC5% (56 mg·g−1; 0.27 mmol·g−1) and NIBP
(47 mg·g−1; 0.22 mmol·g−1), demonstrating the favoring of adsorption in the presence of
Ca/Fe double hydroxides.

Guo et al. [29] synthesized ZnNiCr double-layer hydroxides (ZnNiCr-LDHs) using the
microwave hydrothermal method to remove Cr6+ from an aqueous solution. The material
presented a surface area of 354 m2·g−1, and the SEM analysis showed an irregular block
structure. In this study, it was proposed that predominantly electrostatic interaction be-
tween the metal ion and the adsorbent took place with a maximum capacity of 28.2 mg·g−1

(0.54 mmol·g−1). The results demonstrate potential application prospects in the removal of
Cr6+ in wastewater.

Zhang et al. [16] synthesized sodium alginate intercalated with MgAl-LDH (SA-LDH)
for adsorption of Cd2+, Pb2+, and Cu2+ from an aqueous solution. The characterization
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results showed characteristic peaks at 2θ = 13.24◦, 22.88◦, 35.09◦, 39.19◦, 47.23◦, and 60.97◦,
while CO, COO− and CH surface functional groups were also detected in its structure. The
maximum adsorption capacities of SA-LDH were 60 mg·g−1 (0.945 mmol·g−1) for Cu2+,
243.66 mg·g−1 (1.176 mmol·g−1) for Pb2+, and 95.55 mg·g−1 (0.850 mmol·g−1) for Cd2+.
The results showed that the possible mechanisms involved in the adsorption process are:
(1) bonding or complexation with SurOH or Sur-O- of SA-LDH; (2) precipitation of metal
hydroxides or carbonates; (3) isomorphic substitution, and (4) chelation with COO− in the
interlayers.

Oxyanions: High levels of oxyanions found in the environment are reported all over
the world. Oxyanions (e.g., arsenate, chromate, phosphate, selenite, selenate, borate,
nitrate, etc.) are considered dangerous to humans and wildlife, even at very low concentra-
tions [17,49]. In the case of oxyanions, the primarily reported mechanisms are ion exchange,
electrostatic attraction, and coordination [17,50].

Motandi et al. [51] synthesized zirconium-modified Mg-Al-LDH layered double hy-
droxides (Zr-LDH) using the coprecipitation method, and then used calcination to obtain
an oxide (Zr-LDO), and the materials were used as adsorbents for the removal of phosphate
from aqueous solution. The materials showed a well-developed layered structure. In addi-
tion, Zr was homogeneously distributed in the adsorbent with a well-defined crystallinity
and the presence of brucite, while hydroxyl groups and M–O elongation were detected. The
results showed that Zr-LDH and Zr-LDO are excellent adsorbents for phosphate, obtaining
maximum adsorption capacities of 99.35 mg/g for Zr-LDH and 80.33 mg·g−1 for Zr-LDO.

Jung et al. [17] synthesized Mg-Al double hydroxides (Mg-Al LDHs-FHC) via the one-
pot in situ hydrothermal method for the monocomponent and multicomponent adsorption
of arsenate and phosphate from aqueous solution. Initially, the influence of the Mg:Al
ratio and temperature on the preparation of the adsorbent material was investigated. The
results showed that Mg:Al molar ratios and temperature influenced the Mg-Al LDHs-
FHC structural properties. The best adsorption efficiency was for Mg:Al molar ratio of
2:1 and temperature of 150 ◦C. In the one-component system, the maximum adsorption
capacities were 56.30 mg·g−1 and 33.21 mg·g−1 for arsenate and phosphate, respectively.
For the multicomponent system, the maximum adsorption capacities were 16.22 mg·g−1

for arsenate and 20.26 mg·g−1 for phosphate. In the single-component system, a possible
adsorption mechanism is the ion exchange between the nitrate interlayer and the arsenate or
phosphate groupings. In the multicomponent system, coordinated bonds are also possibly
responsible for the competition of arsenate or phosphate in the adsorptive process.

Zhou et al. [50] prepared FeMgMn-LDH via the co-precipitation method for the
removal of nitrate from an aqueous solution. The surface area of the material was 47 m2·g−1;
the presence of –OH, N=O, M–OH and M–O–M was detected in its structure. The maximum
amount of nitrate adsorption was 10.56 mg·g−1. The adsorptive process was spontaneous
and exothermic. The possible proposed adsorption mechanisms of nitrate removal using
FeMgMn-LDH were an electrostatic attraction and ion exchange.

Emerging pollutants: Plenty of synthetic substances that have recently been detected
at low concentrations (ng·L−1 or μL−1) are assumed to be emerging pollutants nowadays.
These components are used in different industrial processes for the production of pharma-
ceuticals, personal care products (PCPs), beverages, foods, and others [11,12,15,52], and
as a result are discarded in aquatic environments. Although LDHs have been reported as
efficient adsorbents for various emerging pollutants, such as sodium diclofenac, caffeine,
inorganic endocrine disruptor, hormones, and bisphenol A, among others, there are still
few studies in the literature.

Santamaría et al. [53] synthesized by the co-precipitation method Zinc–Titanium–
Aluminum (ZnTiAl) double layer hydroxides (LDHs) with a Zn/(Al-Ti) molar ratio of
3:1 and studied them for the adsorption of diclofenac and salicylic acid. The study also
evaluated the use of commercial aluminum (Al) and aluminum extracted from saline slag.
It was shown that the increase in Ti content negatively affected the crystallinity of the
material and that the increase in temperature decreased the surface area of the material
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due to the increase in amorphous mixed oxides. The results showed a great potential of
the synthesized hydrotalcites for the adsorption of diclofenac (409 μmol/g) compared to
salicylic acid (80 μmol·g−1)

Kumari et al. [11] used a double layer of Zn-Al hydroxide (LDH) loaded with Bi2O3
as an adsorbent for the removal of diclofenac from an aqueous solution. The material
presented the main diffraction peaks 003, 006, 012, 041, 111, 241, and 110, and a surface
area of 102 m2·g−1. The Zn-Al-LDH.xBi2O3 presented a capacity of 574.71 mg·g−1 for
the removal of diclofenac. The results indicated that the adsorptive process occurs in a
monolayer and that the diffusion of diclofenac occurs mainly on the external surface.

Other kinds of pollutants: There are few reports of the use of LDHs for the adsorptive
removal of bacteria and viruses, per- and poly-fluoroalkyl substances, and rare earth and
radioactive substances; such as Cs, Sr, and Th (excluding Uranium, which is well reported).
Therefore, exploring the use of LDHs in the removal of this type of contaminant is very
promising and important for environmental health protection.

Table 3 summarizes some cited articles in which LDH were studied as adsorbents
against eclectic organic and inorganic substances from aqueous solutions.

Table 3. Some characteristic works in which LDHs are used as adsorbents for organic and inorganic
substances.

Pollutant LDH Synthesis Method qmax (mg·g−1) Reference

Dye methyl orange Mg-Al-Ds Coprecipitation 185.06
[45]Mg-Al-CO3 97.50

Dye RB19 MgCoAl-CO3-LDH Coprecipitation 367.93 [18]
Dye Congo red Mg/Fe-LDHs Precipitation 9127.08 [4]

Pb2+ Ca/Fe LDH-Cit(NC10%) Precipitation 110.00
[48]Ca/Fe LDH-Cit(NC5%) 56.00

Cr6+ ZnNiCr-LDHs Hydrothermal 28.20 [29]
Cd2+

MgAl-LDH (SA-LDH) Coprecipitation
60.00

[16]Pb2+ 243.66
Cu2+ 95.55

Phosphate Zr-LDH Coprecipitation 99.35
[51]Zr-LDO 80.33

Arsenate (mono)

Mg-Al LDHs-FHC Hydrothermal

56.30

[17]
Arsenate (mult) 16.22

Phosphate (mono) 33.21
Phosphate (mult) 20.26

Nitrate FeMgMn-LDH Co-precipitation 10.56 [50]
Diclofenac

ZnTiAl Co-precipitation 0.07
[53]Salicylic acid 0.01

Diclofenac Zn-Al-LDH.xBi2O3 Hydrothermal 574.71 [11]

Utilization in real-life applications: Industrial effluents contain various pollutants
simultaneously, such as dyes, metals, pesticides, and antibiotics, which impose a high
physicochemical complexity on the real system. Therefore, it is necessary to understand
the interaction between the adsorbates and the adsorbent in the water decontamination
process [1,3]. Despite the importance of multicomponent adsorption, there are few ref-
erences in the literature evaluating the use of LDHs to remove dyes, metals, and rare
earth elements in multicomponent systems. Consequently, it is necessary to study the
multicomponent adsorption, as well as the evaluation of the selectivity or affinity of a given
LDH for each adsorbate and the competition between them. Another developing field is
for LDH containing hybrids of two types—nanocomposites and organically modified LDH
hybrids—which have been recently reported [54] for the removal of metal ions and dyes
from wastewater, with particularly high capacities.

Considering the adsorption mode, batch experiments are well reported in the literature.
On the contrary, although the design and efficiency are well approached in lab-scale batch
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studies, the fixed beds procedure has received little attention regarding exploration of the
use of LDHs as adsorbents. The fixed bed columns are applied for continuous flow, and are
effective for the treatment of large volumes of effluents, allowing application in industries,
adsorption–desorption cycles, efficient fluid–particle contact and easy phase separation,
which makes the treatment process cheaper and more sustainable [28,55,56]. In this context,
the main challenge is to overcome the LDHs’ poor mechanical resistance for continuous
use, because they can be sprayed or exfoliated [40]. In addition, leaching tests should be
always considered when studying LDHs in aquatic matrixes.

Fixed beds are employed primarily for commercial water treatment scale-up. Dis-
covering and proposing new operational modes to improve fluid–particle interaction and
phase separation is a key issue. Therefore, a smaller treatment area, faster operation, larger
water volumes treated, and cost reduction are important advantages. As a result, there
may be benefits such as a smaller treatment area, faster operation, treatment of bigger
quantities of water, and cheaper costs. Therein, the study of alternative contacting devices,
such as fluidized bed, spouted bed, simulated moving bed, expanded bed, continuous
stirred tanks, and multi-batch tanks, is much appreciated and warrants substantially further
investigation [28].

4. Discussion

The studies presented and discussed above demonstrate the prosperity of utilizing
LDHs as remediation media, and hence, the growing interest of researchers against vari-
ous pollutants regarding interpretation and proposals for the involved mechanisms and
interactions. The studies revealed elevated adsorptive capacities of organic and inorganic
pollutants, even compared to benchmark materials such as porous carbons [4,16,45,48].
The high adsorptive capacity of LDHs is attributed to their high specific surface area, high
thermal and chemical stability, but, more importantly, to their surface chemical composi-
tion. The characterization of LDHs via various analyses/techniques such as the pH of the
point of zero charge (pHPZC), Fourier transform infrared spectroscopy (FT-IR), and X-ray
diffraction (XRD) helps us to understand the adsorptive mechanism of the process. The
most widely proposed interactions/mechanisms involved in the adsorption of organic
compounds generally involve electrostatic interaction between the surface of the LDH
(positively or negatively charged) with the cationic (positively charged) or anionic (nega-
tively charged) compounds. The adsorptive mechanism associated with the adsorption
of metal ions involves the ion exchange between the surface of the material and the metal
ions. Other mechanisms are also involved in the adsorption of metal ions in LDHs, such
as precipitation and complexation. Among the functional groups present in the structure
of LDHs, the hydroxyl group favors the adsorption of both organic and inorganic com-
pounds. Another important parameter in the adsorption process using LDHs is the pH of
the solution. It is observed that, in general, the favorable pH for the adsorption of anionic
compounds occurs at pH lower than 7 and for cationic compounds at pH above 7.

5. Future Prospects

Layered double hydroxides (LDHs) represent one category of materials with an in-
creasing trend of interest toward the removal of water pollutants. To uplift the direction
of LDHs-based adsorbent application on a commercial scale, novel approaches and con-
siderations with emphasis on sustainability and low cost are presented. However, more
adsorption investigations of LDHs need to be explored in multi-component systems rather
than in the current trend, where most of the studies are limited to mono-component sys-
tems and lab-scale batch experiments. The parametric influence on the adsorption process
requires an advanced optimization approach to attain maximum removal performance of
water pollutants using LDHs-based adsorbents. The major setback of a “one time” use
of the adsorbent must be overcome with the proper assessment of desorption strategies,
followed by a good number of adsorbent recycle options, treated water re-use, and the
adsorbate pollutant recovery and re-use. More mechanistic insights into water pollutant
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removal need to be understood in multicomponent simulated and real effluent systems to
study the antagonistic effects targeting the development of adsorbents with high selectivity
for the specific pollutant(s). To understand the complete application of layered double
hydroxides in water pollutant elimination, the batch system followed by a continuous
system needs to be performed at lab and pilot scale, with real effluents.

The simplicity and low cost of LDHs production (for instance, via straightforward
coprecipitation of metal salts at mild basic conditions), in addition to the ability to tai-
lor design their composition and structure, establish them as sustainable and attractive
candidates for real-life applications. Moving a step forward regarding the advantages
of nanomaterials, designing and synthesizing novel nanocomposites/hybrids should be
assumed as a worthwhile effort to be further explored in the field of research. The develop-
ment of synthesis methods capable of producing LDHs on a commercial scale is one of the
current problems for the use of these materials on an industrial scale. In addition, LDHs
syntheses are generally limited to the use of MgAl and MgFe, requiring the exploration of
new compounds. Within the frame of circular (bio)economy and sustainability, the devel-
opment of novel and advanced composited of LDHs with biomass-derived biochar/carbon
and determining the optimum ratio between the counterparts is a prosperous topic of
research, since still only a few studies exist.
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