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Preface

Modern grassland management concerns the sustainable safeguarding of grassland ecosystem

services with regard to the use of their resources. This volume contains a number of research and review

article reprints published in the Special Issue “Grassland Ecosystem Services: Research Advances

and Future Directions for Sustainability” (Land journal, MDPI Publishing). They discuss the recent

advances in and future directions for research in grassland ecology and management, which are

supported by research carried out in several grassland types around the world. In them, emphasis

is placed on biodiversity, the issues and threats related to grasslands, and on the ecosystem services

they provide. The aim of this volume is to outline the significance of the structural and functional

components of grassland ecosystems and to highlight the imperative need to ensure the protection of

grassland resources. We hope that these research articles will offer solutions and ideas to grassland

practitioners, stock breeders, and land and protected area managers and policy makers while advancing

contemporary research.

We are thankful to all of the authors who kindly contributed to this reprint by presenting their

findings, the reviewers who thoroughly reviewed the manuscripts and significantly improved their

content, and the Section Managing Director, Ms. Zita Zhang, who supported us during the whole

process of editing this volume. Finally, we would like to thank MDPI Publishing for offering us the

opportunity to serve as Guest Editors in this Special Issue.

Michael Vrahnakis, Yannis (Ioannis) Kazoglou, and Manuel Pulido Fernádez

Editors
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Article

Effects of Ski-Resort Activities and Transhumance Livestock
Grazing on Rangeland Ecosystems of Mountain Zireia,
Southern Greece

Apostolos P. Kyriazopoulos 1, Maria Karatassiou 2,*, Zoi M. Parissi 3, Eleni M. Abraham 3 and Paraskevi Sklavou 3

1 Laboratory of Range Science, Department of Forestry and Management of the Environment and Natural
Resources, Democritus University of Thrace, 68200 Orestiada, Greece

2 Laboratory of Rangeland Ecology (P.O 286), School of Forestry and Natural Environment,
Aristotle University of Thessaloniki, 54124 Thessaloniki, Greece

3 Laboratory of Range Science (P.O 236), School of Forestry and Natural Environment,
Aristotle University of Thessaloniki, 54124 Thessaloniki, Greece

* Correspondence: karatass@for.auth.gr; Tel.: +30-2310-992302

Abstract: The objective of the present study was to assess the impacts in time of the ski-resort
infrastructure and transhumance livestock grazing on floristic composition, diversity, and rangeland
health indices related to ecosystem stability and function. The study was carried out at a site under
the pressure of ski resorts and livestock grazing (Ano Trikala) and a site only under the pressure
of livestock grazing (Sarantapicho), both located at Mt Zireia, Southern Greece. The plant cover
was measured at each site, and the floristic composition was calculated and classified into four
functional groups: grasses, legumes, forbs, and woody species. Species richness, ecosystem function
and stability landscape indices, diversity indices, and forage value were calculated. According to
the results, the development of the ski resort in Ano Trikala had a neglectable negative impact on
plant cover (reduced by 5%), while it had a minor impact on species richness and floristic diversity.
Livestock grazing had a positive impact on maintaining plant cover in high values. These results
suggest that livestock grazing can counterbalance the effects of ski resorts and related activities on
plant cover and floristic diversity. Besides the relatively limited effects on the vegetation community,
the ski resort significantly negatively impacted landscape composition, function, and stability. Forage
value was 25% lower close to the ski resort, mainly due to the significantly lower percentage of
legumes. Transhumance livestock grazing should be used as a management tool in ski-resort areas,
as it benefits floristic diversity.

Keywords: diversity indices; forage value; species richness; vegetation cover; landscape stability

1. Introduction

Mountainous rangelands provide a wide range of valuable ecosystem services [1].
They are a source of high-quality forage for livestock [2], especially for the transhumance
livestock farming system [3,4]. Moreover, mountainous rangelands have a crucial role
in the conservation of biodiversity and landscape preservation [5] as well as in climate
mitigation and water regulation [6]. In addition, rangelands as cultural landscapes [7] and
protected natural reserves are attractive for recreational and touristic activities [8]. For all
these reasons, rangeland ecosystems have substantial direct or indirect impact on local
economies in mountainous areas.

The management status of these ecosystems has changed rapidly in recent decades
due to social and economic changes that have led to land use/land cover changes. On
the one hand, the transhumant livestock activity has decreased [9,10], while on the other
hand, tourist pressure has increased. All these changes have environmental and economic
impacts on the ecosystem, its services, and local communities [11].

Land 2022, 11, 1462. https://doi.org/10.3390/land11091462 https://www.mdpi.com/journal/land
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Transhumance livestock grazing activities in mountainous areas have declined signif-
icantly in recent decades due to various socioeconomic reasons [9,10,12,13]. As a result,
the extent and structure of mountain rangelands have changed [14,15], as livestock grazing
has maintained them for centuries [16]. Woody species encroachment due to transhumance
livestock grazing abandonment is among the essential changes that has occurred in these
rangelands’ lands [17–20] which negatively affects biodiversity [21].

Since the 1970s, human pressure on mountain ecosystems has increased in several
developed countries due to the development of ski resorts [22] to cover the demands for
recreational activities by the urban population. These activities generally have a positive
economic impact on local communities in mountainous regions [23], but ski resorts were
significantly correlated with adverse changes in the rangelands. Their development in-
cludes using heavy machinery to construct runs and constructing and maintaining access
roads and other infrastructure. Harsh conditions in high altitudes and the mechanical
damage caused to plants by the construction and maintenance of ski-resort infrastructure
retards the recovery of the vegetation cover [24]. As a result, these infrastructures have been
reported to cause a reduction in species richness and plant cover in the rangelands [25],
increasing the risk of soil erosion as well as changing soil properties [26,27], which in turn
may have negative impacts on ecosystem functioning and stability [28]. On the other hand,
Allegrezza and coworkers [16] did not find any differences in floristic diversity among
undisturbed alpine grassland and grasslands with ski runs covered with natural and ar-
tificial snow. It seems that differences in altitude, slope, different management practices
applied, and time passed after the ski resort was built are among the factors affecting the
floristic diversity in these ecosystems [29].

In some mountainous areas in the Mediterranean region, ski resorts coexist with
extensive pasture-based livestock farming. However, there are a limited number of studies
investigating both the effects of ski resorts and livestock grazing on plant communities
and ecosystem function [30]. In this regard, Goñi and Gúzman [31] proposed that livestock
grazing can prevent reductions in plant diversity caused due to ski resorts. A useful tool
for assessing the impact of different management regimes on the rangeland ecosystem’s
function is the indices of rangeland health [32–34].

Recently, the goal of public governance and local communities is the sustainable
development of rural areas, which includes three axes: the economic viability of local
communities, social cohesion, and environmental sustainability. These three axes collide
in some cases but are recognized as having the same weight and importance in ensuring
sustainable development [35].

In this respect, the coexistence of tourism with pasture-based livestock is desirable
and essential for the sustainability of the less favorable mountainous areas [36]. Moreover,
tourist activities related to skiing and transhumance livestock are two non-rivalrous activi-
ties in terms of time, since skiing is carried out during the winter months, while livestock
farming is carried out from spring to autumn. The question that arises is to what extent the
creation and operation of ski centers conflict with transhumance livestock spatially and to
what extent the use of rangelands by both activities ultimately leads to their degradation.

In as much as, to the best of our knowledge, there are no similar studies on the com-
bined effect of pastoralism and touristic activities on rangeland ecosystems, we conducted
the current study to gain insights on the impact of these activities on both floristic diversity
and ecosystem function. The outcome of our analyses, as far as the interaction of pastoral-
ism and touristic activities is regarded and their effects on the ecosystem as a whole, can
provide a basis for designing and establishing strategies for the sustainable development
of mountainous areas. This research was conducted in a mountainous area of Southern
Greece, traditionally used by transhumance, while a ski resort has been present since the
2000s. We assessed the impact of the ski-resort infrastructure and livestock grazing on
the rangeland ecosystems; specifically, as far as (1) floristic composition and diversity and
(2) rangeland health indices related to ecosystem stability and function are concerned. We

2
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tested the hypothesis that ski resorts and transhumance livestock farming coexistence in
Mediterranean mountainous areas results in severe degradation of the ecosystem.

2. Materials and Methods

2.1. The Study Area

The study was conducted in Mount (Mt) Zireia (Kyllini), which is located west of
Korinthos city in the Peloponnese peninsula, Southern Greece in 2014, 2015, and 2019
(Figure 1). During the study period, the mean annual temperature was 12.67 ± 0.11 ◦C, and
the mean monthly precipitation was 65.66 ± 5.66 mm. The climatic data (precipitation, tem-
perature) were obtained from the nearest meteorological station (38◦00′00′′ N, 22◦50′00′′ E,
1077 m a.s.l). The climate is classified as Mediterranean, with warm winters and dry, and
very hot summers, according to the bioclimatogram of Emberger and as Csa in the Köppen–
Geiger classification (http://www.en.climate-data.org, 23 May 2022). The most important
economic activities in the area are agriculture and livestock production. The transhumant
sheep and goat system existed in the study area for centuries, but in the last decades
significantly decreased. In the 1960s, 245 herders’ families with 38,230 sheep and goats
followed the transhumance system, while in 2020, only 54 families with 13,717 animals [9]
continued to follow it.

 

Figure 1. The study area in Mt Zireia in the Peloponnese peninsula. The red circles indicate the
selected sites.

Mount Zireia is the second highest mountain of Peloponnese (2374 m). The rangelands
of Mt Zireia, both grasslands, and shrublands, are public, and they are communally grazed,
from April to October, by transhumant small ruminant flocks in a continuous grazing
system. The ski resort was established in the site of Ano Trikala in 2007. After that, the local
ski center and the artificial Lake Doxa attract visitors, inducing the development of tourism
facilities.

Two sites were selected at the mountainous rangelands of Mt Zireia. The first was
close to the village Ano Trikala (38◦58′07′′ N, 22◦25′17′′ E) in the area of the ski center and
was grazed by sheep and goats from May to September. The second was close to the village
Sarantapicho (38◦01′30′′ N, 22◦23′05′′ E) and was used by the livestock for the same period
(Figure 1). The two sites were at about the same altitude (1350–1450 m), slope (less than
15%), exposure (NW), and similar grazing pressure (Figure 1).

3



Land 2022, 11, 1462

2.2. Vegetation Data Collection and Analysis

Due to the homogeneity of the habitats, six experimental transects of 25 m each
were established at each site, in a distance of 80–100 m between them. The plant cover
was measured at the end of the growing season of 2014, 2015, and 2019 in each transect
according to the line-and-point method, which is widely used in rangeland studies [37].
Transect lines are placed in a way so that every point has similar elevation. Transects
were set up in vegetation and 100 recordings (per 25 cm) were conducted per transect.
When the pin hit the canopy of a species, it was recorded. If the pin hit rocks, bare soil, or
litter, the corresponding measurement was also recorded. The total number of live plant
species hits was the plant cover. The floristic composition was calculated from plant cover
measurements and classified into four functional plant groups: grasses, legumes, forbs,
and woody. Legumes were presented separately from forbs because of their nutritional
importance for small ruminants [38].

Floristic diversity, evenness, and dominance were determined for each transect [39] by
the following indices [40–42]:

The Shannon–Wiener diversity index (H′) was calculated following the formula in
Equation (1) below:

H′ = −∑S
i=1 pi ln pi (1)

where S is the maximum recorded number of taxa, and pi is the population frequency of
the i-th taxa.

The Simpson diversity index (D) was calculated following the formula in Equation (2)
below:

D =
1
C

where C = 1 −
Sobs

∑
i

p2
i (2)

The Pielou evenness index (J) was calculated following the formula in Equation (3)
below:

J =
H′

log(S)
(3)

where H′ is the Shannon–Wiener diversity index.
The Buzas and Gibson evenness (E) was calculated following the formula in Equation (4)

below:

E =
eH′

S
(4)

The Margalef richness index (M) was calculated following the formula in Equation (5)
below:

M =
S − 1

ln(N)
(5)

where N is the number of individuals of all taxa.
The Berger–Parker dominance index (d) was calculated following the formula in

Equation (6) below:

d =
Nmax

NT
(6)

where Nmax is the number of records of the dominant taxon and NT is the total number
of records.

2.3. Development of Indices of Landscape Stability, Composition, and Function

Three ecosystem variables, including landscape composition, function, and stability,
were utilized to create indices of rangeland health based on empirical data collected
annually from each rangeland. Empirical data collected at the same time next to the six
experimental transects from each rangeland were used to develop indices of rangeland
health in terms of three ecosystem attributes: landscape composition, landscape function,
and landscape stability [33,43,44].
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Six attributes were used to calculate these indices (Table 1). The possible range of each
attribute was divided into a number of ecologically meaningful classes (usually 5 or 6), and
each class was then assigned a value according to its perceived effect upon composition,
function, or stability. Thus, for example, the percentage of plant cover, which is a crucial
component of composition and stability, was divided into five classes, thus: 0–10%—1,
10–25%—2, 25–50%—3, 50–75%—4, and >75%—5. Accordingly, a site with 65% of the soil
covered by vegetation would receive a value of 4 for ‘plant cover’. For ‘function’, herbage
production was divided into five classes, thus: 0–700 kg ha−1—1, 701–1400 kg ha−1—2,
1401–2100 kg ha−1—3, 2101–2800 kg ha−1—4, and >2801 kg ha−1—5, while soil erosion
was also divided into five classes: very severe—1, severe—2, moderate—3, slight—4, and
insignificant—5. Data on woody, legumes, and species richness were used as inputs for
the composition and function indices such that a higher score indicated a greater cover of
woody and legumes and / or a greater diversity of species. ‘Species richness’ was divided
into five classes: 1–5 species—1, 6–10 species—2, 11–15 species—3, 16–20 species—4, and
>21 species—5. Total score was calculated by adding the score of each attribute.

Table 1. Attributes, possible scores, and maximum scores used for calculating indices of landscape
composition, function, and stability.

Attributes
Landscape Indices

Composition Function Stability

Plant cover (%) 1–5 1–5
Woody cover (%) 1–5
Species richness 1–5
Erosion 1–5 1–5
Herbage production (kg ha−1) 1–5
Legumes (%) 0–5
Range of scores 3–15 2–15 2–10
Total score 5–30

2.4. Forage Value Index

The forage value index (FV) was used as an assessment of the plant community’s
nutritive value. The estimation of FV was based on the Klapp–Stählin index [45,46] after
it was weighted with the species percentage in floristic composition. This index indicates
the preference of the grazing animals for a plant species in relation to its abundance in
the plant community. It was calculated as FV = pi*FIi, where pi is the percentage of i-th
species in the floristic composition and FI is the forage index of i-th species ranging from 0
(unpalatable species) to 8 (preferable species) [47].

2.5. Statistical Analysis

A two-way analysis of variance (ANOVA) was performed to examine the influence of
the factor site and the factor treatment (years after the ski resort establishment), and their
interaction on the univariate measures: (1) plant cover, (2) functional group composition,
(3) diversity indices, (4) rangeland health indices, and (5) forage value index. Data sets
consisting of percentage values were arcsine-transformed to degrees prior to analysis [48].
The LSD at the 0.05 probability level was used to detect the differences among means [49].
All statistical analyses were performed using the SPSS statistical package v. 27.0 (IBM Corp.
in Armonk, NY, USA).

3. Results

Significant differences (p ≤ 0.05) between sites were recorded for plant cover, the func-
tional groups legumes and forbs, the Simpson index, and the Berger–Parker dominance
index (Table 2). Additionally, significant differences (p ≤ 0.05) were recorded among the
years for the functional groups grasses, legumes, and forbs, the species richness, the Simp-
son, Shannon, Margalef indices, and the Berger–Parker dominance index. The interaction
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of site and year was significant (p ≤ 0.05) for forbs, the species richness, the Simpson,
Shannon, and Margalef diversity indices, and the Berger–Parker dominance index (Table 2).

Table 2. Statistical significance of F ratios from the analysis of variance for plant cover, functional
group composition, and diversity indices.

Site Year Site * Year

Plant cover * NS NS
Grasses NS * NS
Legumes * * *
Forbs * * NS
Woody NS NS NS
Species richness NS * *
Simpson (D) * * *
Shannon (H′) NS * *
Buzas and Gibson (E) NS NS NS
Margalef (M) NS * *
Pielou (J) NS NS NS
Berger–Parker (d) * * *

* Significant (F Test at p ≤ 0.05); NS p > 0.05.

The plant cover (across years) was higher in Sarantapicho rangeland. Functional group
composition was differentiated between sites. The percentage of legumes was higher in
Sarantapicho, while more forbs were presented in Ano Trikala. There was a slight trend of
higher floristic diversity in Sarantapicho, without significant differences. Only the Simpson
index was significantly higher, while the Berger–Parker dominance index was significantly
lower in Sarantapicho (Table 3).

Table 3. Effects of site (across years) on plant cover, functional group composition, and diversity
indices.

Attributes
Sites

Ano Trikala Sarantapicho

Plant cover (%) 89.1 b * 93.8 a
Grasses (%) 29.9 a 36.5 a
Legumes (%) 10.0 b 18.3 a
Forbs (%) 43.9 a 31.0 b
Woody (%) 16.1 a 14.2 a
Species richness 17.1 a 17.6 a
Simpson (D) 8.2 b 9.4 a
Shannon (H′) 2.4 a 2.5 a
Buzas and Gibson (E) 0.69 a 0.71 a
Margalef (M) 3.6 a 3.6 a
Pielou (J) 0.87 a 0.88 a
Berger–Parker (d) 0.25 a 0.21 b

* Means within each row followed by the same letter are not significantly different (p > 0.05).

The percentage of forbs progressively increased, and it was significantly higher in 2019
compared to those recorded in 2014 and 2015 (Table 4). An opposite trend was recorded
for grasses and woody species but without producing significant results. The percentage
of legumes was significantly lower in 2014. Floristic diversity indices (species richness,
Simpson, Shannon, Margalef) were significantly higher in 2015 compared to 2014, while in
2019, these indices had intermediate values without significantly differentiating from the
other years. The Berger–Parker index of dominance followed an opposite trend.
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Table 4. Effects of years (across sites) on plant cover, functional group composition, and diversity
indices.

Attributes
Year

LSD0.05
2014 2015 2019

Plant cover (%) 90.5 a * 93.3 a 90.5 a

Grasses (%) 40.1 a 30.4 b 29.2 b 8.15
Legumes (%) 9.0 b 18.6 a 14.9 a 5.41
Forbs (%) 30.8 b 35.5 b 46.0 a 7.09
Woody (%) 20.1 a 15.5 a 10.0 a

Species richness 15.5 b 19.2 a 17.3 ab 2.41

Simpson (D) 8.0 b 9.8 a 8.7 ab 1.74
Shannon (H′) 2.4 b 2.6 a 2.5 ab 0.16
Buzas and Gibson (E) 0.69 a 0.73 a 0.70 a
Margalef (M) 3.2 b 4.0 a 3.6 ab 0.53
Pielou (J) 0.86 a 0.89 a 0.87 a
Berger–Parker (d) 0.24 a 0.21 b 0.24 a 0.03

* Means within each row followed by the same letter are not significantly different (p > 0.05).

The percentage of legumes in Sarantapicho was significantly lower in 2014 compared
to 2015 and 2019, while it was higher in 2015 compared to 2019 in Ano Trikala. The
percentages of legumes were significantly higher in Sarantapicho than in Ano Trikala in
2015 and 2019, while no significant differences (p > 0.05) were detected between sites in
2014 (Figure 2).

Figure 2. Effects of site and year on legumes percentage. Columns followed by the same letter are
not significantly different (p > 0.05).

The species richness, Simpson, Shannon, and Margalef indices in Ano Trikala were
significantly lower in 2014 compared to 2015 and 2019, while in Sarantapicho, no differences
were recorded among years. The values of the Berger–Parker dominance index followed
the opposite trend. Those indices were significantly (higher in Sarantapicho than in Ano
Trikala only in 2014, while no significant differences (p > 0.05) were detected among sites
in 2015 and 2019 (Table 5). Berger–Parker dominance index was significantly lower in
Sarantapicho than in Ano Trikala in 2014 and 2015.
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Table 5. Effects of site and year on the Species richness, Simpson (D), Shannon (H′), Margalef (M),
and the Berger–Parker (d) dominance index.

Sites Year Species Richness
Indices

D H′ M d

Ano Trikala
2014 13.0 c * 6.6 b 2.16 b 2.7 c 0.28 a
2015 20.3 a 9.8 a 2.66 a 4.3 a 0.23 b
2019 18.0 ab 8.9 a 2.53 a 3.8 ab 0.24 ab

Sarantapicho
2014 18.0 ab 10.1 a 2.55 a 3.7 ab 0.20 bc
2015 18.0 ab 9.9 a 2.54 a 3.7 ab 0.18 c
2019 16.7 b 8.5 a 2.44 a 3.5 b 0.24 ab

LSD0.05 3.4 1.8 0.22 0.75 0.04
* Means within each column followed by the same letter are not significantly different (p > 0.05).

Significant differences (p ≤ 0.05) between sites were recorded for all the indices of
landscape composition, function, stability, and forage value index (Table 6). Additionally,
significant differences (p ≤ 0.05) for the landscape function index and the total score of
indices were recorded over the years. The interaction of site and year was significant
(p ≤ 0.05) for the landscape function index and the forage value index (Table 5).

Table 6. Statistical significance of F ratios from the analysis of variance for indices of landscape
composition, function, and stability, and forage value index.

Landscape Indices Site Year Site * Year

Total score * * NS

Composition * NS NS
Function * * *
Stability * NS NS

Forage value * NS *
* Significant (F Test at p ≤ 0.05); NS p > 0.05.

All the indices of landscape composition, function, stability, and forage value index
were significantly (p ≤ 0.05) higher in Sarantapicho compared to Ano Trikala (Table 7).

Table 7. Effects of site (across years) on indices of landscape composition, function, stability, and
forage value index.

Landscape Indices
Sites

Ano Trikala Sarantapicho

Total score 20.2 b * 24.48 a

Composition 12.8 b 13.5 a
Function 7.4 b 10.9 a
Stability 9.0 b 9.5 a

Forage Value 2.9 b 3.87 a
* Means within each row followed by the same letter are not significantly different (p > 0.05).

The landscape function index and the total score of indices were significantly lower in
2014 compared to those recorded in 2015 and 2019 (Table 8).

The landscape function index in Sarantapicho was significantly lower in 2014 com-
pared to 2015 and 2019, while in Ano Trikala, no significant differences (p > 0.05) were
detected among years. The landscape function index was significantly higher in Sarantapi-
cho than in Ano Trikala in all the years (Figure 3).

The forage value index in Ano Trikala was significantly lower in 2019 compared to
2014, while in Sarantapicho no significant differences (p > 0.05) were detected among years.
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The forage value index was significantly higher in Sarantapicho than in Ano Trikala only
in 2019, while no significant differences were detected between sites in 2014 and 2019
(Figure 4).

Table 8. Effects of years (across sites) on the indices of landscape composition, function, stability, and
forage value.

Landscape Indices
Year

LSD0.05
2014 2015 2019

Total score 20.9 b * 23.3 a 22.7 a 1.4

Composition 12.8 a 13.5 a 13.2 a
Function 8.2 b 9.8 a 9.5 a 1.2
Stability 9.2 a 9.2 a 9.3 a

Forage Value 3.35 a 3.61 a 3.19 a
* Means within each row followed by the same letter are not significantly different (p > 0.05).

Figure 3. Effects of site and year on landscape function index. Columns followed by the same letter
are not significantly different (p > 0.05).

Figure 4. Effects of site and year on forage value index. Columns followed by the same letter are not
significantly different (p > 0.05).
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4. Discussion

Ski resorts and transhumance livestock farming are activities that often coexist in
mountainous areas, which may strongly affect the structure and function of rangeland
ecosystems. Nevertheless, our data and analyses cannot support the negative impact
hypothesis for a representative mountain of South Mediterranean area.

The current study indicates that the development of the ski resort in Ano Trikala had
a minimal negative impact on rangelands’ plant cover. Ski-resort infrastructure and the
increased number of visitors usually cause considerable trampling and other disturbances,
leading to a decrease in plant cover [26,30,50]. In such sites, the soils are compacted,
and as a result, plant growth is limited, infiltration rates and water-storage capacity are
reduced, and soil erosion risk is high [51]. However, this was not the case in the ski resort
in Ano Trikala, possibly because of the low-intensity touristic activities in the specific site.
Transhumance livestock grazing has been reported to positively impact maintaining plant
cover in high values [38]. This result is in accordance with those of Goñi and Gúzman [31],
who also reported a minimum increase in bare soil in a grazed ski resort area in Spain.
A slight reduction in plant cover was detected in Ano Trikala compared to Sarantapicho;
plant cover was generally high in both mountainous rangelands, remaining stable over
the years.

Regarding the vegetation composition, the percentage of legumes was lower in the
mountainous rangeland close to the ski resort of Ano Trikala, while more forbs were present
compared to the rangeland located away from the ski resort. These results are in accordance
with previous findings in Spain [30]. Legumes have deeper root systems in general than
grasses and forbs. The presence of ice, the reduced soil microporosity that causes poor
aeration, and the trampling caused by visitors had increased negative effects on the legume
roots compared to those of the other plant functional groups [30,52]. Thus, legumes were
significantly less in the rangeland close to the ski resort. The negative impact of the ski
resort on legumes is further confirmed by their significant reduction from 2014 to 2019
when the opposite trend was recorded for the rangelands located away from the ski resort.
Forbs (across sites) were significantly more in 2019 compared to those recorded in 2014 and
2015, while an opposite trend was recorded for grasses. The differences in the contribution
of these plant groups are probably related to grazing and the relative higher preference of
sheep for legumes than for forbs when they are available [53], as well as to the differences
in climatic over the years [9,38,54,55].

The ski-resort development in Ano Trikala generally had minimal effects on floristic
diversity. However, it has been noted that the Simpson index was significantly lower,
while the Berger–Parker dominance index was significantly higher compared to those
recorded in the mountainous rangeland located away from the ski resort, indicating a slight
decrease in floristic diversity at the expense of the increasing abundance of the dominant
species near the ski resort. Previous studies [24,56] have reported reduced species richness
and diversity close to ski resorts. However, there is evidence that livestock grazing can
counterbalance the adverse effects of ski vehicles and visitors through micro-depressions
due to trampling and exozoochoria, which can maintain diversity [22]. Thus, Goñi and
Gúzman [31] recorded higher plant diversity in grazed ski runs than in non-grazed ones.
Barrantes and coworkers [30] found that floristic diversity in grazed skiing areas increased
between 1972 and 2005. The present study confirms this result as floristic diversity was
also recorded to increase in 2019 compared to 2014 in rangelands close to the Ano Trikala
ski resort, while in Sarantapicho biodiversity indices did not change among years. Floristic
diversity (across sites) was higher in 2015 compared to 2014 and 2019, probably because of
the annual fluctuations in rainfall and temperature [30].

The landscape was negatively affected by the ski resort and related activities. All
the indices of landscape composition, function, and stability were significantly higher
in the rangeland located in Sarantapicho, away from the ski resort. The increased soil
erosion, reduced plant cover and herbage production, and the decreased legume percentage
recorded in rangelands close to the ski resort in Ano Trikala constitute the main reasons for
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this result. Increased risk of soil erosion close to ski resorts has been reported in previous
studies [26,57]. Moreover, significant decreases in productivity in rangelands in proximity
to ski resorts have been reported by Gartzia and coworkers [58]. It has to be noted that the
landscape function index remained low in this site during the years, while it progressively
increased in the rangeland located away from the ski resort.

Forage value was significantly lower close to the ski resort. This result is related to the
significantly lower percentage of legumes, which have high forage value, and the higher
percentage of less palatable forbs. The lower forage value implies this area’s decreased
grazing capacity and a need for a reduced stocking rate. It is in accordance with the results
of previous studies [30,31] that also reported lower pasture quality close to ski resorts. The
result of the present study is further confirmed by the fact that forage value remained stable
from 2014 to 2019, when it increased in the rangelands located away from the ski resort.

5. Conclusions

Proximity to ski resorts did not reduce plant cover seriously, while it had a minor
impact on species richness and floristic diversity. These results suggest that livestock
grazing can counterbalance the effects of ski resorts and related activities on plant cover
and floristic diversity. On the other hand, the floristic composition was modified in the ski
center area. These differences in species composition are reflected in forage value, which
is reduced in the ski-resort area. Besides the relatively limited effects on the vegetation
community, the ski resort had a significant negative impact on landscape composition,
function, and stability.

Transhumance livestock grazing should be used as a management tool in ski-resort
areas as it benefits floristic diversity. Low-intensity touristic activities have relatively lim-
ited effects on such areas, but some restoration activities may be needed in the future.
Furthermore, the two activities could be complementary for the employment of the resi-
dents of local communities, as tourism is an activity most preferred by young people, while
livestock farming is mainly employed by elderly people. Finally, monitoring these areas at
both levels of landscape and vegetation is necessary for managers to make the appropriate
decisions at the right time. In this respect, the landscape indices that were used in the
present study could be a useful tool for future monitoring and management decisions.

Author Contributions: Conceptualization, A.P.K., M.K., Z.M.P. and E.M.A.; methodology, A.P.K.,
M.K., Z.M.P. and E.M.A.; software, A.P.K., M.K., Z.M.P. and E.M.A.; validation, A.P.K., M.K., Z.M.P.,
E.M.A. and P.S.; formal analysis, A.P.K., M.K. and E.M.A.; investigation M.K., Z.M.P., E.M.A. and
P.S.; resources, M.K.; data curation, A.P.K., M.K., Z.M.P., E.M.A. and P.S.; writing—original draft
preparation, A.P.K., M.K., Z.M.P. and E.M.A.; writing—review and editing. A.P.K., M.K., Z.M.P.,
E.M.A. and P.S.; visualization, A.P.K., M.K, Z.M.P. and E.M.A.; supervision, M.K.; project administra-
tion, M.K.; funding acquisition, M.K. All authors have read and agreed to the published version of
the manuscript.

Funding: This research was part of the project «PACTORES, T8EPA2-00022» and was co-funded by
the European Union (European Social Fund) and General Secretariat for Research and Innovation
(GSRI) through the Action “ERA-Net”.

Institutional Review Board Statement: Not applicable.

Informed Consent Statement: Not applicable.

Data Availability Statement: The data presented in this study are available in figures and tables
provided in the manuscript.

Conflicts of Interest: The authors declare no conflict of interest.

11



Land 2022, 11, 1462

References

1. Reid, W.V.; Mooney, H.A.; Cropper, A.; Capistrano, D.; Carpenter, S.R.; Chopra, K.; Dasgupta, P.; Dietz, T.; Duraiappah, A.K.;
Hassan, R. Ecosystems and Human Well-Being-Synthesis: A Report of the Millennium Ecosystem Assessment; Island Press: Washington,
DC, USA, 2005.

2. Chan, K.M.A.; Shaw, M.R.; Cameron, D.R.; Underwood, E.C.; Daily, G.C. Conservation Planning for Ecosystem Services. PLoS
Biol. 2006, 4, e379. [CrossRef]

3. Parissi, Z.M.; Karatassiou, M.; Sklavou, P. Chemical composition of a Trifolium repens L. population in a grazed mountainous
grassland in Central Greece. Options Méditerr. A 2016, 115, 603–607.

4. Parissi, Z.M.; Karatassiou, M.; Abraham, E.M.; Gioufoglou, C.; Andreopoulos, S.; Drakopoulou, A.T. Forage quality of dominant
plant species of mountainous grasslands in northern Greece. Options Méditerr. A 2021, 126, 79–84.

5. Ferrer, C.; Barrantes, O.; Broca, A. La noción de biodiversidad en los ecosistemas pascícolas españoles. Pastos 2011, 31, 129–184.
6. Bengtsson, J.; Bullock, J.M.; Egoh, B.; Everson, C.; Everson, T.; O’Connor, T.; O’Farrell, P.J.; Smith, H.G.; Lindborg, R. Grasslands—

more important for ecosystem services than you might think. Ecosphere 2019, 10, e02582. [CrossRef]
7. Urban, E. The Rural Landscape of Europe: How Man Has Shaped European Nature; The Swedish Research Council Forms: Stockholm,

Sweeden, 2009; 384p.
8. Feng, L.; Gan, M.; Tian, F.P. Effects of Grassland Tourism on Alpine Meadow Community and Soil Properties in the Qinghai-

Tibetan Plateau. Pol. J. Environ. Stud. 2019, 28, 4147–4152. [CrossRef]
9. Karatassiou, M.; Parissi, Z.M.; Stergiou, A.; Chouvardas, D.; Mantzanas, K. Patterns of transhumant livestock system on Mount

Zireia, Peloponnese, Greece. Opt. Méditerr. A 2021, 126, 197–200.
10. Ragkos, A. Transhumance in Greece: Multifunctioality as a Asset for Sustainable Development. In Grazing Communities:

Pastoralism on the Move and Biocultural Heritage Frictions; Letzia, B., Ed.; Berghahn Books: Oxford, NY, USA, 2022; Volume 29,
pp. 23–43.

11. Pătru-Stupariu, I.; Hossu, C.A.; Grădinaru, S.R.; Nita, A.; Stupariu, M.S.; Huzui-Stoiculescu, A.; Gavrilidis, A.A. A Review of
Changes in Mountain Land Use and Ecosystem Services: From Theory to Practice. Land 2020, 9, 336. [CrossRef]

12. Teira, A.G.; Peco, B. Modelling Oldfield Species Richness in a Mountain Area. Plant Ecol. 2003, 166, 249–261. [CrossRef]
13. Chatzimichali, A. Sarakatsanoi, 2nd ed.; Angeliki Chatzimichali Foundation: Athens, Greece, 2007.
14. Barrio, I.C.; Bueno, C.G.; Nagy, L.; Palacio, S.; Grau, O.; Munilla, I.; García, M.B.; Garcia-Cervigón, A.I.; Gartzia, M.; Gazol, A.;

et al. Alpine Ecology in the Iberian Peninsula: What Do We Know, and What Do We Need to Learn? Mt. Res. Dev. 2013, 33,
437–442. [CrossRef]

15. Chrysanthopoulou, G. Synergy of Climate and Grazing in the Evolution of Vegetation on Mount Kyllini. Master’s Thesis, Aristotle
University of Thessaloniki, Thessaloniki, Greece, 2020.

16. Allegrezza, M.; Cocco, S.; Pesaresi, S.; Courchesne, F.; Corti, G. Effect of snowpack management on grassland biodiversity and
soil properties at a ski resort in the Mediterranean basin (central Italy). Plant Biosyst. 2017, 151, 1101–1110. [CrossRef]

17. Gartzia, M.; Alados, C.L.; Pérez-Cabello, F. Assessment of the effects of biophysical and anthropogenic factors on woody plant
encroachment in dense and sparse mountain grasslands based on remote sensing data. Prog. Phys. Geogr. 2014, 38, 201–217.
[CrossRef]

18. Nasiakou, S.; Vrahnakis, M.; Chouvardas, D.; Mamanis, G.; Kleftoyanni, V. Land Use Changes for Investments in Silvoarable
Agriculture Projected by the CLUE-S Spatio-Temporal Model. Land 2022, 11, 598. [CrossRef]

19. Sidiropoulou, A.; Karatassiou, M.; Galidaki, G.; Sklavou, P. Landscape Pattern Changes in Response to Transhumance Abandon-
ment on Mountain Vermio (North Greece). Sustainability 2015, 7, 15652–15673. [CrossRef]

20. Sklavou, P.; Karatassiou, M.; Parissi, Z.; Galidaki, G.; Ragkos, A.; Sidiropoulou, A. The Role of Transhumance on Land Use/Cover
Changes in Mountain Vermio, Northern Greece: A GIS Based Approach. Not. Bot. Horti Agrobot. Cluj-Napoca 2017, 45, 589–596.
[CrossRef]

21. Porqueddu, C.; Ates, S.; Louhaichi, M.; Kyriazopoulos, A.P.; Moreno, G.; del Pozo, A.; Ovalle, C.; Ewing, M.A.; Nichols, P.G.H.
Grasslands in ‘Old World’ and ‘New World’ Mediterranean-climate zones: Past trends, current status and future research
priorities. Grass Forage Sci. 2016, 71, 1–35. [CrossRef]

22. Isselin-Nondedeu, F.; Rey, F.; Bédécarrats, A. Contributions of vegetation cover and cattle hoof prints towards seed runoff control
on ski pistes. Ecol. Eng. 2006, 27, 193–201. [CrossRef]

23. Genovese, D.; Culasso, F.; Giacosa, E.; Battaglini, L.M. Can Livestock Farming and Tourism Coexist in Mountain Regions? A New
Business Model for Sustainability. Sustainability 2017, 9, 2021. [CrossRef]

24. Wipf, S.; Rixen, C.; Fischer, M.; Schmid, B.; Stoeckli, V. Effects of ski piste preparation on alpine vegetation. J. Appl. Ecol. 2005, 42,
306–316. [CrossRef]

25. Pignatti, E.; Pignatti, S.; Lucchese, F. Plant communities of the Stirling Range, Western Australia. J. Veg. Sci. 1993, 4, 477–488.
[CrossRef]

26. Barni, E.; Freppaz, M.; Siniscalco, C. Interactions between Vegetation, Roots, and Soil Stability in Restored High-altitude Ski Runs
in the Alps. Arct. Antarct. Alp. Res. 2007, 39, 25–33. [CrossRef]

27. Rixen, C.; Stoeckli, V.; Ammann, W. Does artificial snow production affect soil and vegetation of ski pistes? A review. Perspect.
Plant Ecol. 2003, 5, 219–230. [CrossRef]

12



Land 2022, 11, 1462

28. Mulder, C.P.H.; Uliassi, D.D.; Doak, D.F. Physical stress and diversity-productivity relationships: The role of positive interactions.
Proc. Natl. Acad. Sci. USA 2001, 98, 6704–6708. [CrossRef] [PubMed]

29. Waldhardt, R.; Otte, A. Indicators of plant species and community diversity in grasslands. Agric. Ecosyst. Environ. 2003, 98,
339–351. [CrossRef]

30. Barrantes, O.; Reiné, R.; Ferrer, C. Changes in Land Use of Pyrenean Mountain Pastures—Ski Runs and Livestock Management—
Between 1972 and 2005 and the Effects on Subalpine Grasslands. Arct. Antarct. Alp. Res. 2013, 45, 318–329. [CrossRef]

31. Goñi, D.; Gúzman, D. Cambios en la vegetación debidos a una estación de esquí alpino en el Pirineo. Pirineos 2001, 156, 87–118.
[CrossRef]

32. Henderson, A.E.; Davis, S.K. Rangeland health assessment: A useful tool for linking range management and grassland bird
conservation? Rangel. Ecol. Manag. 2014, 67, 88–98. [CrossRef]

33. Pellant, M.; Pyke, D.A.; Shaver, P.; Herrick, J.E. Interpreting Indicators of Rangeland Health: Version 4; US Department of the Interior,
Bureau of Land Management, National Science and Technology Center, Branch of Publishing Services: Denver, CO, USA, 2005.

34. Pyke, D.; Herrick, J.; Shaver, P.; Pellant, M. Rangeland Health Attributes and Indicators for Qualitative Assessment. J. Range
Manag. 2002, 55, 584–597. [CrossRef]

35. Nastis, S.A.; Papanagiotou, E. Dimensions of sustainable rural development in mountainous and less favored areas: Evidence
from Greece. J. Geogr. Inst. Jovan Cvijic SASA 2009, 59, 111–131. [CrossRef]

36. Marín-Yaseli, M.L.; Martínez, T.L. Competing for meadows. Mt. Res. Dev. 2003, 23, 169–176. [CrossRef]
37. Cook, C.W.; Stubbendieck, J. Range Research: Basic Problems and Techniques; Society for Range Management: Denver, CO, USA,

1986; 341p.
38. Karatassiou, M.; Parissi, Z.M.; Panajiotidis, S.; Stergiou, A. Impact of Grazing on Diversity of Semi-Arid Rangelands in Crete

Island in the Context of Climatic Change. Plants 2022, 11, 982. [CrossRef] [PubMed]
39. Abraham, E.M.; Aftzalanidou, A.; Ganopoulos, I.; Osathanunkul, M.; Xanthopoulou, A.; Avramidou, E.; Sarrou, E.; Aravanopou-

los, F.; Madesis, P. Genetic diversity of Thymus sibthorpii Bentham in mountainous natural grasslands of Northern Greece as
related to local factors and plant community structure. Ind. Crops Prod. 2018, 111, 651–659. [CrossRef]

40. Henderson, P.A. Practical Methods in Ecology; John Wiley & Sons: Hoboken, NJ, USA, 2009.
41. Magurran, A.E. Measuring biological diversity. Curr. Biol. 2021, 31, R1174–R1177. [CrossRef]
42. Magurran, A.E.; McGill, B.J. Biological Diversity: Frontiers in Measurement and Assessment; OUP Oxford: Oxford, UK, 2010.
43. Eldridge, D.J.; Koen, T.B. Detecting environmental change in eastern Australia: Rangeland health in the semi-arid woodlands. Sci.

Total Environ. 2003, 310, 211–219. [CrossRef]
44. Noss, R.F. Indicators for Monitoring Biodiversity: A Hierarchical Approach. Conserv. Biol. 1990, 4, 355–364. [CrossRef]
45. Gusmeroli, F.; Della Marianna, G.; Puccio, C.; Corti, M.; Maggioni, L. Foraging indices of woody and herbaceous Alpine species

for goat livestock. Quad. SoZooAlp 2007, 4, 73–82.
46. Werner, W.; Paulissen, D. Program VEGBASE database of indicator values of vascular plants after Ellenberg and their evaluation

to the personal computer. In Indicator Values of Plants in Central Europe. Scripta Geobotanica Scripta Geobotanica 18, 1st ed.; Ellenberg,
H., Weber, H.E., Düll, R., Wirth, V., Werner, W., Paulissen, D., Eds.; Goltze, V.W.: Gottingen, Germany, 1992; pp. 238–248.

47. Novak, J. Evaluation of grassland quality. Ekol. Bratisl. 2004, 23, 127–143.
48. Snedecor, G.W.; Cochran, W.G. Statistical Methods, 8th ed.; Iowa State University Press: Ames, IA, USA, 1989; Volume 54,

pp. 71–82.
49. Steel, R.G.D.; Torrie, J.H. Principles and Procedures of Statistics, a Biometrical Approach, 2nd ed.; McGraw-Hill Kogakusha, Ltd.: New

York, NY, USA, 1980.
50. Thompson, J.D.; Hutchinson, I. Cohabitation of Species in an Artificial Grass-Legume Community on Ski-Slopes on Whistler

Mountain, British Columbia, Canada. J. Appl. Ecol. 1986, 23, 239–250. [CrossRef]
51. Roux-Fouillet, P.; Wipf, S.; Rixen, C. Long-term impacts of ski piste management on alpine vegetation and soils. J. Appl. Ecol.

2011, 48, 906–915. [CrossRef]
52. Delgado, R.; Sánchez-Marañón, M.; Martín-García, J.M.; Aranda, V.; Serrano-Bernardo, F.; Rosúa, J.L. Impact of ski pistes on soil

properties: A case study from a mountainous area in the Mediterranean region. Soil Use Manag. 2007, 23, 269–277. [CrossRef]
53. Manousidis, T.; Iatridou, S.; Lempesi, A.; Kyriazopoulos, A.P. Grazing behavior and dietary preferences of sheep grazing a

Mediterranean rangeland. Options Méditerr. A 2021, 125, 373–376.
54. Karatassiou, M.; Parissi, Z.M.; Sklavou, P. Interaction of climatic conditions and transhumant livestock system on two mountain-

ous rangelands in Greece. Option Mediter. A 2016, 115, 661–665.
55. Koerner, S.E.; Collins, S.L.; Blair, J.M.; Knapp, A.K.; Smith, M.D. Rainfall variability has minimal effects on grassland recovery

from repeated grazing. J. Veg. Sci. 2014, 25, 36–44. [CrossRef]
56. Forbes, B.C. Tundra Disturbance Studies, I: Long-term Effects of Vehicles on Species Richness and Biomass. Environ. Conserv.

1992, 19, 48–58. [CrossRef]
57. Gros, R.; Jocteur Monrozier, L.; Bartoli, F.; Chotte, J.L.; Faivre, P. Relationships between soil physico-chemical properties and

microbial activity along a restoration chronosequence of alpine grasslands following ski run construction. Appl. Soil Ecol. 2004,
27, 7–22. [CrossRef]

58. Gartzia, M.; Pérez-Cabello, F.; Bueno, C.G.; Alados, C.L. Physiognomic and physiologic changes in mountain grasslands in
response to environmental and anthropogenic factors. Appl. Geogr. 2016, 66, 1–11. [CrossRef]

13



Citation: Forster, D.; Deng, J.;

Harrison, M.T.; Shurpali, N.

Simulating Soil-Plant-Climate

Interactions and Greenhouse Gas

Exchange in Boreal Grasslands Using

the DNDC Model. Land 2022, 11,

1947. https://doi.org/10.3390/

land11111947

Academic Editors: Michael

Vrahnakis, Yannis (Ioannis) Kazoglou

and Manuel Pulido Fernádez

Received: 17 October 2022

Accepted: 29 October 2022

Published: 1 November 2022

Publisher’s Note: MDPI stays neutral

with regard to jurisdictional claims in

published maps and institutional affil-

iations.

Copyright: © 2022 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

land

Article

Simulating Soil-Plant-Climate Interactions and Greenhouse
Gas Exchange in Boreal Grasslands Using the DNDC Model

Daniel Forster 1,*, Jia Deng 2, Matthew Tom Harrison 3 and Narasinha Shurpali 1,*

1 Natural Resources Institute Finland (Luke), Halolantie 31 A, 71750 Maaninka, Finland
2 Earth Systems Research Center, Institute for the Study of Earth, Oceans and Space, University of New

Hampshire, 39 College Road, Durham, NH 03824, USA
3 Tasmanian Institute of Agriculture, University of Tasmania, Newnham Drive, Launceston, TAS 7248, Australia
* Correspondence: danforster.grassland@hotmail.com (D.F.); narasinha.shurpali@luke.fi (N.S.)

Abstract: With global warming, arable land in boreal regions is tending to expand into high latitude
regions in the northern hemisphere. This entails certain risks; such that inappropriate management
could result in previously stable carbon sinks becoming sources. Agroecological models are an
important tool for assessing the sustainability of long-term management, yet applications of such
models in boreal zones are scarce. We collated eddy-covariance, soil climate and biomass data to
evaluate the simulation of GHG emissions from grassland in eastern Finland using the process-based
model DNDC. We simulated gross primary production (GPP), net ecosystem exchange (NEE) and
ecosystem respiration (Reco) with fair performance. Soil climate, soil temperature and soil moisture
at 5 cm were excellent, and soil moisture at 20 cm was good. However, the model overestimated
NEE and Reco following crop termination and tillage events. These results indicate that DNDC
can satisfactorily simulate GHG fluxes in a boreal grassland setting, but further work is needed,
particularly in simulated second biomass cuts, the (>20 cm) soil layers and model response to
management transitions between crop types, cultivation, and land use change.

Keywords: ecophysiological modelling; boreal agriculture; greenhouse gases; model evaluation;
DNDC; soil organic carbon; net-zero

1. Introduction

Global temperature rise is placing increased pressure on boreal lands from agricultural
land-use expansion and intensification to meet the needs of a burgeoning population [1].
Boreal regions also present significant opportunities for greenhouse gas (GHG) mitigation
and may have the potential to act as further sinks of atmospheric carbon [2]. United nations
sustainable development goals [3] have identified sustainable agriculture (goal 2) and
protection of ecosystems (goal 15) as key components of the overarching strategy to address
climate change. We are thus at a critical juncture in time in which holistic assessments and
planning decisions regarding management and land-use trade-offs will be key to ensuring
long-term sustainability [4]. Given the risks and opportunities afforded by climate change
in boreal areas, decision making needs to balance the manifold factors involved to balance
increasing societal requirements for the long-term preservation of the natural capital on
which our agri-food systems depend [5–8].

Agroecological models have increasingly been used to simulate the effects of man-
agement [9,10] and land use conversion [11] on biomass production [12–14], canopy-level
physiology [7,8], GHG emissions [15–18], profitability [19] and soil carbon/nitrogen cy-
cling [20]. When properly calibrated, such models have been able to accurately simulate
these agriculturally and environmentally important variables and thus have the potential
to assist in management planning while promoting both production and environmental
protection, including climate change mitigation by reducing GHG emissions [21–23].

Land 2022, 11, 1947. https://doi.org/10.3390/land11111947 https://www.mdpi.com/journal/land
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The DeNitrification-DeComposition (DNDC) model [24] has been long in use world-
wide, and has demonstrated sufficient accuracy in modelling crop growth and GHG
emissions in cooler regions [11,25–33]. The extensive use of this model in colder climates
and its successful simulation of relevant outputs would make it seem a sensible choice for
application in Scandinavia, although significant uncertainty remains around the perfor-
mance of DNDC in the challenging boreal environment due to the lack of studies measuring
GHG and other variables for use in model calibration in regions with extensive durations
of sub-zero temperatures [34].

Of the few agroecological modelling studies that have been conducted in boreal zones,
results for DNDC have been promising. For example a study by He et al. [31] modelled the
effects of manuring on N2O emissions in Canadian grasslands, evaluating against measured
data and while most metrics were graded “good” to “fair”, soil water and N simulations
were only “acceptable”, and the authors also recommended improvements to the models
soil freeze-thaw simulations, as well as soil microbial and water processes in grasslands.
Abdalla et al. [27] used DNDC to evaluate soil respiration in the Republic of Ireland from
grassland and conventionally managed arable fields under three climate scenarios: a
baseline of measured climate data and both high and low temperature sensitivity scenarios.
They indicated that DNDC could effectively model soil respiration in both pasture and
arable, underestimating annual CO2 efflux by only 13% and 8% respectively. Another
study in the Republic of Ireland [35] examined management effects on N2O emissions from
grasslands using a two year (2008–2009) dataset. The study showed that flux estimates
tended to be higher than those estimated using IPCC emissions factors, and the authors
suggested that soil parameters needed further calibration for optimum performance. A
study in Northern Ireland [36] used DNDC95 to evaluate SOC density and annual changes
in temperate long-term grassland soils. They found that the model underestimated SOC
by 0.9 t C ha−1, yr−1, a difference which was explained by differences in supplied N
and differences in soil C, rainfall, and air temperature as well as soil physiochemical
variables. Because most of the studies with DNDC have been conducted in temperate or
cool temperate regions with more moderate temperatures, different soils and different land
management, such results may not translate to Scandinavian conditions, hence the need
for a DNDC study in Finland.

The purpose of this study was to evaluate DNDC performance in simulating soil
microclimate, biomass production and GHG fluxes against eddy-covariance measured
NEE, here defined as the net exchange of CO2 between the ecosystem and atmosphere in
kg C ha−1, and associated soil and plant data in a legume grassland in eastern Finland
with attention to model accuracy in simulating freeze-thaw cycles.

2. Materials and Methods

2.1. Site Description

This study was conducted at the Antilla field site, located in Maaninka, eastern Finland,
(63◦09′ N, 27◦140′ E, 89 m a.s.l.); a location with mean annual temperature (1981–2010)
of 3.2 ◦C and mean annual precipitation of 612 mm year−1. In the study period, mean,
maximum and minimum temperatures were 5.1, 25.0 and –26.5 ◦C, respectively, and annual
rainfall was 613 mm, 515 mm, and 532 mm for 2017, 2018 and 2019, respectively (Figure 1).
The study site was a 6.3 ha agricultural field where the mineral soil is classified as a haplic
cambisol (silt loam: clay 25 ± 7.8%, silt 53 ± 9%, sand 22 ± 7.8%) based on the USDA
classification system (Table 1).

The field was cultivated with a mix of timothy (Phleum pratense L. cv Nuuti), meadow
fescue (Festuca pratensis) and red clover (Trifolium pratense) at a rate of 15 and 5 kg ha−1 for
grasses and legumes respectively in 2015, was reseeded in May 2017, and ploughed in the
autumn of 2018 when glyphosate was also applied. The grassland was renewed in Spring
2019 with a cover crop of barley (Hordeum vulgare L.) in a fresh rotation. Mineral fertilizer
was applied (106 kg N, 28 kg P and 50 kg K/ha−1) divided evenly over two applications at
the start of the growing season and after first cut in 2017 and 2018, with a single application
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in the renewal year of 45 kg N, 20 kg P, 38 kg K/ha−1. Cuts were carried out twice annually
in late June and mid-August for 2017 and 2018, and a single cut in early August in the
renewal year with a disc mower to remove biomass material to 8 cm, which was then
swathed, baled, and removed from the field site.

Figure 1. Measured air temperature (◦C) and precipitation (mm) per day over the modelled period
(Data obtained from Finnish Meteorological Institute (FMI).

Table 1. Topsoil (0–5cm) measurements in the Antilla site.

Unit Value

Soil pH 5.8 ± 0.19
EC mS m−1 14 ± 2.4
SOM% 5.2 ± 0.9
SOC% 3.0 ± 0.52
C/N ratio 15 ± 0.4
Total N% 0.2 ± 0.03
P mg L−1 5.4 ± 1.28
K mg L−1 104 ± 12.9

2.2. Eddy Covariance Data

An eddy covariance (EC) tower was setup in the centre of the study area in 2017. The
CO2 and H2O measurements were performed by a closed-path EC system with adjacent
weather station providing supporting climate and meteorological data. The EC system was
a Li-7000 infrared gas analyser (IRGA, for CO2 and H2O mixing ratios, Li-COR inc., Lincoln,
NE, USA), a sonic anemometer (wind velocity, sensible heat flux and sonic temperature
components R3-50, Gill Instruments Ltd., Lymington, UK) mounted 2.5 m above the soil
surface on an instrument tower. Air samples pass through a heated intake tube at a flow
rate of 10 L min−1, (a PTFE tube, internal diameter 6 mm, length 8 m) with two 1.0 μm pore
size filters (Gelman®). The IRGA was housed in a climate-controlled cabin and calibrated
monthly during the growing season. Supporting climate data were net radiation, relative
humidity, photosynthetically active radiation, soil temperature, volumetric soil water
content (at 5 and 20 cm depths) and air pressure. A CR3000 (Campbell Scientific Inc., Logan,
UT, USA) 10 Hz data logger collected raw EC data. Missing supporting meteorological
data were gap filled using data from the Maaninka weather station (Finnish Meteorological
Institute), located 6 km southeast of the field site. Eddy covariance data processing was
carried out using EddyUH [37]. Annual EC data for the period of the experiment (20 May
2017 to 31 May 2020) were employed for calibration and evaluation purposes.
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2.3. The DNDC Model

The DeNitrification-DeComposition (DNDC) model is a process-based biogeochemical
model developed for quantifying C sequestration as well as emissions of C and N gases
from agricultural ecosystems [38–40]. The model is comprised of six sub-models: soil climate,
plant growth, decomposition, nitrification, denitrification, and fermentation. The soil climate,
plant growth, and decomposition sub-models convert the primary model drivers, such as
climate, soil properties, vegetation, and anthropogenic activity, into soil environmental factors
(e.g., soil temperature and moisture, pH, redox potential) and concentrations of substrates
of relevant biogeochemical processes. The nitrification, denitrification, and fermentation sub-
models simulate C and N transformations that are mediated by soil microbes and controlled by
soil environmental factors and concentrations of relevant substrates [40,41]. The DNDC model
adopted in this study was further improved to simulate surface energy exchange, soil frost and
thaw dynamics, and C gas fluxes in cold regions [42–44].

The DNDC model requires daily climate data, including minimum and maximum
temperatures (◦C) and rainfall (mm), as well as humidity (%), windspeed (m/s), and
solar radiation (MJ/m2). The model also requires rainfall N concentrations, atmospheric
NH3 and CO2 concentrations, and annual increases of atmospheric CO2, although model
default values can be used when such information is not available. In addition, we used
measurements of actual snow depth to drive the model [43]. Using measured snow depth
in this way improves the surface energy balance and hence the simulated soil temperature
and water filled pore space (WFPS cm3/cm3). Soil input data include soil properties
according to the USDA soil classification system, as well as information on initial soil
organic carbon (SOC), pH and other soil physiochemical factors. The input parameters of
farming management practices, including crop types, planting and harvest dates, tillage,
fertilization, residue return, and irrigation, were taken from Li et al. (unpublished). The
Antilla site using soil data from Lind et al. [45]. Initial model output evaluations were
carried out against EC data for net ecosystem exchange (NEE), gross primary production
(GPP, defined as the total CO2 taken up by the ecosystem in photosynthesis in kg C ha−1)
and ecosystem respiration (Reco, defined here as the total ecosystem respiration (sum of
aboveground plant and root (autotrophic) and heterotrophic respiration) in kg C ha−1).
Output data assessment and analysis was conducted in R version 4.1.1 (R development
core team 2021) and RStudio (version 1.4.1106).

2.4. Model Initialisation Calibration and Evaluation

The model was calibrated using data in 2017 and 2018 and then ran continuously
from 2017 to 2019, with 2019 used to evaluate the model. The calibration process included
optimisation of crop phenological parameters (thermal days to maturity, biomass fraction,
root: shoot ratios, stem: leaf: grain fraction, water demand, N fixation index, and optimum
temperature, Table 2). For modelling purposes, a 16-year spin-up period was introduced to
allow time for simulated soil carbon stocks to stabilise.

The crop setup consisted of two systems, the first consisted of a perennial grass
ley (land put down to grass and/or clover for a limited period) calibrated to simulate a
grass/legume mixture. The second system simulated the same, with the addition of a barley
cover crop, though no cuts were carried out in 2020 (Table 3). Input parameters for soil and
management are as described in Section 2.1, though fertiliser applied (106 kg N/ha/year)
was divided equally among the number of fertilisation events for that year.

Both calibration and evaluation were conducted using base R and the package ‘Hydro-
GOF’ [46]. Four evaluation metrics were used to evaluate model performance against
measured GHG fluxes. These were Spearman’s rho (ρ, Equation (1)), where ρ is the Spear-
man’s rank correlation coefficient, di is the difference between the two ranks of individual
measured and corresponding simulated data pairs, and n is the number of observations.
Mean absolute error (MAE, Equation (2)) which assesses the size of prediction errors at the
individual level, but does not allow comparison between positive and negative predictors.
Root mean square error (RMSE, Equation (3)) measures absolute quadratic prediction error.
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Si is the simulated, and Mi are the measured variables. Percent bias (pBIAS, Equation (4))
gives a relative bias estimation to determine over or underestimation in the simulation.

Table 2. Crop calibration parameters used in this study. Figures in grey are automatically produced
model outputs in response to calibration, and not directly subject to manipulation.

Perennial Grass Grain Leaf Stem Root

Max. biomass production (kg C/ha/yr) 400
Biomass fraction 0.04 0.28 0.28 0.4

Biomass C/N ratio 35
Annual N demand (kg N/ha/yr) 143
Thermal degree days to maturity 1500

Water demand (g water/g dry matter (DM)) 150
N fixation index (crop N/N from soil) 1.5

Optimum temperature (◦C) 18

Barley

Max. biomass production (kg C/ha/yr) 2496
Biomass fraction 0.3 0.23 0.23 0.23

Biomass C/N ratio 45 75 75 85
Annual N demand (kg N/ha/yr) 129
Thermal degree days to maturity 1500
Water demand (g water/g DM) 150

N fixation index (crop N/N from soil) 1
Optimum temperature for crop growth (◦C) 18

Table 3. Management details used in DNDC simulations in the present paper based on Li et al.
(unpublished). ‘Model setup’ indicates the division between calibration and evaluation datasets. The
full model was run until May 2020, although that year was not used in model evaluation and is
shown in grey to reflect this.

Year 1 (2017) 2 (2018) 3 (2019) 4 (2020)

Model setup Calibration dataset Evaluation dataset NA
Crop: perennial grass 18 May 2017–30 October 2018 4 June 2019–31 May 2020
Cover crop: barley NA NA 4 June 2019–31 May 2020
Cuts 29 June

16 August
26 June

7 August
6 August -

Overseeding/reseeding 18 May NA 16 August -
Fertilisation 22 May & 3 July 22 May & 2 July 2 July * 22 May & 2 July
Tillage NA 30 September (crop

killing till), 30 October
3 June -

ρ = 1 − 6 ∑ d2
i

n(n2 − 1)
(1)

MAE =
∑n

i=1|Si − Mi|
n

(2)

RMSE =

√
∑n

i=1 (Si − Mi)
2

(n)
(3)

pBIAS = 100
∑n

i=1(Si − Mi)

∑n
i=1 Mi

(4)

Following setup and calibration we again ran the model continuously from 2000 to
2020 and used 2019 for model evaluation against gross primary production (GPP kg C ha−1),
net ecosystem exchange (NEE kg C ha−1) and ecosystem respiration (Reco kg C ha−1), soil
temperature (◦C) at 5 cm, and soil moisture (WFPS cm3/cm3) at 5 cm and 20 cm according
to a pre-determined criteria (Table 4).
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Table 4. Model evaluation based on classifications as per [27,31,34]. Overall scores are calculated as
the mean performance of variables across all four metrics.

Evaluation Method Poor Fair Good Excellent

Spearman’s rank correlation (ρ) 0.30 0.50 0.70 1.00
MAE 4.0+ 3.0–3.9 2.0–2.9 1.0–1.9
RMSE ≥40 20–39 10–19 0–10
pBias% >20% 15–20% 11–15% <10%

3. Results

Greenhouse gas exchange (Figure 2), soil climate simulations (Figure 3) and crop
biomass simulations (Figure 4) were generally in agreement with measurements through
most of the modelled timeframe. For GPP, there was a good correlation ρ between simu-
lated and measured data, though MAE was poor, RMSE was fair, and the model pBias%
underestimated and scored poor. For NEE, there was a good ρ correlation between simu-
lated and measured data, though MAE was poor, RMSE was fair, and the model scored
good overall, with a small pBias% underestimate. For Reco, there was a good ρ correlation
between simulated and measured data, though MAE was poor, RMSE was good, but model
pBias% underestimated and scored poor (Table 5).

Table 5. Evaluation results for simulated versus measured GHG exchange and soil microclimate. The
‘Mean score’ column represents the overall assessment when all four measures are accounted for.

ρ MAE RMSE pBias% Mean Score

GPP (kg C ha−1) 0.80 (p < 0.001) 21.3 35.1 –20.7% Fair
NEE (kg C ha−1) 0.72 (p < 0.001) 16.6 26.7 –14.2% Fair
Reco (kg C ha−1) 0.85 (p < 0.001) 10.9 14.2 –22.8% Fair

Soil Temp (◦C) 1.00 (p < 0.001) 0.1 1.2 18.2% Excellent
WFPS (cm3/cm3) 5 cm 0.73 (p < 0.001) 0.1 0.1 –11.2% Excellent
WFPS (cm3/cm3) 20 cm 0.25 (p < 0.001) 0.1 0.1 –5.0% Good

For soil temperature there was a correlation ρ score of excellent, MAE was excellent,
RMSE was excellent and pBias% scored fair, and showed that the model overestimated
compared to measured data. Soil water (WFPS) at 5 cm scored “good” ρ for Spearman’s
correlation, MAE was excellent, and RMSE was also excellent, while there was a small,
but good underestimation for pBias%. For WFPS at 20 cm there was a poor ρ correlation,
whereas MAE was excellent and RMSE was excellent, whilst there was only a small pBias%
underestimation, which scored excellent (Table 5).

The DNDC model simulated seasonal patterns of GHG exchange (Figure 2) and soil
climate (Figure 3) well. Seasonally, GHG’s tended to be close to 0 between October and
April, although in the evaluation year eddy covariance did not show the simulated uptick in
ecosystem respiration and NEE (Figure 2b,c) until six weeks later in mid-June, and DNDC
did not pick up on this and also did not pick up on wintertime ecosystem respiration
(Figure 2c).

Soil temperature at 5cm (Figure 3a) was very similar to measured data, although WFPS
at 5 cm (Figure 3b) showed less accuracy in January and May, and in the 20 cm layer DNDC
overestimated in May 2018 and underestimated between December 2018 and May 2019
(Figure 3c).

Biomass (DM kg/ha−1) simulation were compared with measured cuts using an
independent sample t-test. Measured DM (mean = 3117, sd = 915) was compared to
simulated DM (mean = 4517, sd = 926) and there was a significant difference between the
two t (8) = −2.4, p < 0.05.
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Figure 2. Simulated and measured GPP (a), NEE (b) and Reco (c) over the three modelled growing
seasons.

Total annual GHG exchange was measured for the calibration and evaluation years
2018 and 2019 (Table 6) indicating that DNDC simulated GPP, NEE and Reco followed
a similar pattern to measured eddy-covariance figures and both field measurement and
simulations showed reduced respiration in 2019 compared to 2018.
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The DNDC model predicted that the Antilla site would be an overall sink of atmo-
spheric C by an average of –1.17 T C ha−1 yr−1, although eddy covariance indicated that
in 2019 the field site was a small source of C, but still an overall sink.

Figure 3. Comparison of soil temperature (◦C) at (a) 5 cm, WFPS at (b) 5 cm, and (c) WFPS at 20 cm.
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Figure 4. Comparison of simulated (—) and measured (×) biomass production (DM kg/ha–1) for
growing seasons 2017 to 2019. For 2017, the difference for cut 1 was 5.6% and cut 2 was 21.3%. For
2018 cut 1 was 4.0% and cut 2 was 30.5%, and for 2019 the simulated cut was 8.7% higher than
measured DM and the black arrows (‘ploughing event’ and ‘tillage and spring sowing’).

Table 6. Comparison of total annual GHG exchanges for calibration (2018) and evaluation (2019)
years. The 2017 year is omitted as measurement did not begin until May.

Calibration/Evaluation Years Measured Simulated Difference

GPP (T C ha–1 yr–1)

2018 14.79 10.09 4.70
2019 4.15 5.19 1.04
Mean 9.47 7.64 –1.83

NEE (T C ha–1 yr–1)

2018 –3.64 –1.97 1.68
2019 0.22 –0.35 –0.57
Mean –1.71 –1.17 0.55

Reco (T C ha–1 yr–1)

2018 11.15 8.12 –3.03
2019 4.58 4.84 0.26
Mean 7.87 6.48 –1.38

4. Discussion

This study begins to address the dearth of model evaluations for boreal managed grass-
lands by presenting a comparison of model simulations for DNDC with eddy-covariance
GHG flux, soil climate and biomass dry-matter production data. There are relatively few
papers containing model evaluations for grasslands in boreal areas, but since model testing
during their creation is necessarily limited to regions available to the model creators, it
does not follow that they are applicable elsewhere and a careful assessment of regional
conditions is necessary to understand how a model might behave in novel environments.

A number of papers have assessed the DNDC model in cool weather regions in
Canada [29,31] and Northern Europe [27,43,44], making it an ideal candidate for evaluation
with a view to using in the boreal agricultural landscapes of Scandinavia. Furthermore, the
present study adds to this by demonstrating that the model can produce fair estimations
of the key GHG fluxes and good estimations of soil climate conditions when compared to
measured field data, but that there remain a number of uncertainties that would benefit from
further elucidation, for example crop parameterisation and root processes, soil moisture
simulations and GHG responses to changes in management.
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4.1. GHG Exchange

In general, the DNDC model simulated GHG exchange fairly well, there was a ten-
dency to underestimate GPP and Reco compared to measured data. This may be linked to
the model simulating little or no respiration during the colder months, and to both increase
more slowly and decrease more rapidly at the commencement and ending of the growing
season compared to measured data. Using the improved DNDC model [42] improved
model performance which was able to simulate GHG satisfactorily.

In the evaluation dataset, spikes of GPP and Reco in August 2018 and 2018 were
probably related to increased rainfall noted in those periods (Figure 1), and a simulated
increase in NEE and Reco beginning in May 2019 was not matched by observed data
(Figure 2b,c). This may reflect a modelled increased soil respiration since the model
simulated a ‘crop terminating till’ in October 2018, followed by a ‘light mulching till’
and seeding on 3 and 4 June respectively (Table 3). The residue incorporation following
crop termination and tillage event increased the modelled soil respiration. However, they
simulated an increase in soil respiration before crop germination in contrast to the findings
of Oertel et al. [47] who found that bare soils tended to have lower GHG flux than other
land-cover types.

The June 2019 sowing also included a cover crop of barley that was absent from
previous years, although the use of cover crops has been shown to increase soil micro-
bial activity [48]. However, there we no observed differences related to barley addition
(Figure 2), and in the 2019 (evaluation period) growing season there was a month-long
difference between observed and simulated uptick of NEE and Reco (Figure 2b,c), which
was not observed in the 2018 (calibration) season and requires some explanation. According
to Khan, [49], tillage, which is the standout feature of the 2019 (evaluation) period, can
stimulate soil microbial activity and thus respiration. Nevertheless, simulated NEE was not
significantly different from observed (–14%), in line with the findings of Deng et al. [42] who
also reported a good match for NEE, and of Abdalla et al. [27] who reported a corelation of
R = 0.6 for NEE simulations compared to measured data on permanent grassland in the
Republic of Ireland.

4.2. Soil Climate

Model performance in terms of simulating temperature at the soil surface (5 cm) was
exceptional, which was perhaps to be expected given the version of the DNDC model
we used was aimed specifically at improving surface exchange of energy fluxes and soil
frost/thaw dynamic simulations [41,42], as is evident from the close correlation between
simulated and measured outputs (Table 5). Soil moisture (WFPS) at 5cm followed a similar,
though less striking trend and tended to underestimate by 11.2%, (Table 5). On the other
hand, at 20 cm WFPS simulation quality was much lower, and although the two datasets
matched closely the spread of the data was such that it was not possible to make a strong
correlation. This discrepancy may be due to the model sensitivity to the soil water/ice
status to changes in soil temperature when this was close to zero since a variation of ±1 ◦C
above or below freezing is small for soil temperature but makes the difference between
liquid water and ice in the soil.

4.3. Biomass

The DNDC model was able to simulate biomass production accurately for the first
cut in the two-cut system used in Finnish pastures although the second cut tended to
underestimate. Model performance in the first cut was closer to measured figures than in
the second (2.8 ± 0.008% and 25.9 ± 0.05% respectively, Figure 4) and tended to assume
higher growth rates after the first cut than were observed in the field. Testing across all
years indicated that there was a significant difference between simulated and measured
biomass, meaning that the model underperformed as a grass biomass prediction tool when
calibrated to greenhouse gas fluxes.
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5. Conclusions

This study demonstrated that the DNDC model is able to simulate GHG fluxes, soil
climate conditions in a boreal grassland on a mineral soil within reasonable levels of
accuracy, albeit at a trade-off in accuracy of crop biomass prediction. Future work using
DNDC could be aimed at improving crop phenology (accounting for accurate onset and end
of the growing seasons), interactions among plant species and potential benefits of legume
crops in legume grassland systems, and improving the characterization of heat and water
exchange at the soil surface layer to determine key factors influencing simulated GHG
exchanges. Overall, however, our results suggest that the model is suitable for modelling
crop, soil and GHG exchange from boreal grasslands.
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Abstract: The ecosystem services provided by the age-old activity of husbandry are presently de-
clining or seriously endangered. The situation is particularly serious for regulation services and for
certain cultural services given their growing dependence on external inputs. This work performs
a bibliometric analysis for the purpose of identifying the certainties and gaps associated with the
different ecosystems generated by pastoral husbandry, and confirms the pressing challenges that the
livestock industry is facing in the current context of global change. Two different tools, Scopus and
VOSviewer, have been implemented to analyze 2230 documents published between 1961 and 2021
that include the terms “grazing” and “service”. The information required for the bibliometric analysis
of authorship, country of origin, field of study and number of citations, among other categories, was
drawn from the documents to the effect of evidencing their general thematic relationships. Finally,
the current state of the ecosystem services currently provided by pastoral husbandry—provisioning,
regulation, cultural and support services—was assessed. The results showed a greater abundance of
scientific literature on provisioning and regulation services than on cultural and support services. An
increase in the number of publications from the beginning of the 21st century was confirmed. The
United States stands out as the country with the largest scientific production, and environmental
sciences is the most prominent field in the study of ecosystem services. A recent larger academic effort
to encourage the promotion of ecosystem services from the institutions has also been observed, as
well as to include them as a factor in the development of environmental policies, which is described
as the greatest challenge for the future of this discipline. Among other possible solutions, the new
European Union agricultural subsidies—the so-called eco-schemes—appear to be essential for that
effort to bear fruit as soon as possible.

Keywords: pastoral husbandry; provisioning; regulation; biodiversity; greenhouse gases

1. Introduction

The first truly scientific approach to the concept of “ecosystem services” was devel-
oped by United States researchers at the end of the 1960s and the beginning of the 1970s,
coinciding with the emergence of the environmental movement [1]. In 1970, the Study of
Critical Environmental Problems, sponsored by the Massachusetts Institute of Technology,
provided the first list of “environmental services” [1] (Table 1). From then on, various
attempts were made, on the one hand, to properly define the concept of “ecosystem ser-
vices” and, on the other, to enlist and categorize those services [2]. Daily [1] provided an
important definition when she specified that ecosystem services are “the conditions and
processes through which natural ecosystems, and the species that make them up, sustain
and fulfill human life”. Constanza et al. [3] affirmed that “ecosystem goods (such as food)
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and services (such as waste assimilation) represent the benefits human populations derive,
directly or indirectly, from ecosystem functions”. These authors also made the first step
towards classifying those services and presented a more comprehensive list of 17 ecosystem
services (Table 1) that derive from “natural capital”, a concept coined a few years earlier by
Constanza and Daily [4] to describe “the stock that yields the sustainable flow” of natural
benefits. But only in the work by De Groot et al. [5] did the list become a hierarchical
and systematized classification of 23 ecosystem functions from which goods and services
derive. Those functions are divided into four categories: regulation, habitat, production
and information functions (Table 1).

Table 1. Comparative analysis of the different lists of ecosystem services proposed since the term
was coined. In the case of the Millennium Ecosystem Assessment, the category to which each service
belongs is provided: provisioning (p), regulation (r), cultural (c) and support (s) services.

Study of Critical
Environmental Problems [1]

Constanza et al. [3] De Groot et al. [5]

Refuge Refuge function
Breeding function

Atmosphere composition Gas regulation Gas regulation
Climate regulation Climate regulation Climate regulation

Flood control Disturbance regulation Disturbance prevention
Water regulation Water regulation
Water provision Water provision
Waste treatment Waste treatment

Soil retention Erosion control and Soil retention
sediment retention

Pest regulation Biological control Biological control
Insect pollination Pollination Pollination

Soil formation Soil formation Soil formation
Matter cyding Nutrient cycling Nutrient regulation

Fisheries Food production Food
Raw materials Raw materials

Genetic resources Genetic resources
Medicinal resources

Ornamental resources
Aesthetic information

Culture Cultural and artistic
information

Leisure Leisure
Spiritual and historical

information
Science and education

Obviously, the force of the idea of ecosystem services lies in its potential as a conceptual
tool for the implementation of policies to counteract human impact on the planet—a societal
demand that has increased over time and is today more central than ever. The publication
of the Millennium Ecosystem Assessment report in 2005 provided the final endorsement and
the term has become part of the international ecological action and environmental policy
development vocabulary. The assessment focuses on the linkages between ecosystems
(understood as dynamic complexes of plant, animal, and microorganism communities
and the nonliving environment interacting as functional units) and human well-being [6].
The report described ecosystem services as “the benefits people obtain from ecosystems”
and established four categories, which were very similar to the ones proposed by De
Groot et al. [5], for a total of 30 types of services: (i) provisioning services (products
obtained from the ecosystems); (ii) regulation services (benefits obtained from the regulation
of ecosystem processes); (iii) cultural services (non-material benefits obtained from the
ecosystems); and (iv) support services (required for the production of other ecosystem
services) [6] (Table 1).

28



Land 2022, 11, 2083

As evidenced by later works, the definition and categorization of the ecosystem
services still need some refinement [7]. The concept is still ambiguous and a clearer
distinction between the mechanisms through which the services are obtained and the
services themselves is required [8]. The discussion on the consistency of the category of
cultural services is a recurring one, because it appears to be subjective, but the fact that it
is included in most models proves that, even if open to qualification, those services need
to be considered [9]. Support services are also questioned by authors who see them as
intertwined with other categories, particularly with regulation services [2]. However, all
the contributions of the Millennium Ecosystem Assessment are useful because they are
widely acknowledged, recognizable and easily comprehensible [6].

In summary, ecosystem services have come to fill up an argumentative void in en-
vironmental protection from a perspective that may be described as utilitarian, but is
also transcendent in a world characterized by the market economy [2]. In their work,
Constanza et al. [3] drew attention to that need after observing how decision-makers ulti-
mately dismissed natural capital services. This way, the ongoing effort of authors working
in the field of sustainability sciences to provide evidence of the link between human wellbe-
ing and natural capital and to propose a theory of value beyond the monetary has allowed
not only to fill up the argumentative void in the academic sphere, but to permeate the
political and administrative discourse so that it can truly be useful [10].

However, the current valorization of ecosystem services should not make us think
that they did not exist in the past. Even if science and academia did not use the concept
before, human beings have always perceived the environmental retribution they could
profit from through their relationship with the environment. An obvious example is animal
domestication. Moreover, through their relationship to domesticated animals, human
beings began to transform their environment, and the maintenance of livestock suddenly
became a reason to manage and shape that environment to take advantage of everything it
could offer. A paradigmatic example is that of the dehesa, a Mediterranean ecosystem where
human intervention led to the spatial dispersion of trees in order to enable the spreading
out of the livestock [11]. According to the Millennium Ecosystem Assessment in Spain
(2011), the dehesa is an example of agroecosystem, i.e., a “type of ecosystem modified and
managed by humans for the purpose of obtaining food, fiber and other materials of biotic
origin”. Agroecosystem diversity is very high across the world in accordance with the
intensity of human intervention, and ranges from extremely simplified agroecosystems with
a very high level of inputs—such as intensive agriculture or livestock breeding—to highly
complex low-intensity systems—including family vegetable gardens or transhumance [12].
Therefore, we need to keep in mind that, when anthropic actions take into consideration
the specificities of the territory, as in agroecosystems, they may have an essential role to
play in the provision of ecosystem services [13].

The above-mentioned domestication of wild animals was one of the achievements
of the Neolithic revolution, whether it happened earlier or later on during that process.
To again use the example of the Mediterranean region and, more specifically, that of the
Iberian Peninsula, radiocarbon dating identifies the first human groups with domestic
sheep and caprine stocks in the Mediterranean coasts around 5600 AD [14]. If those stocks
and the interaction with them have been maintained until today, it is simply because
of the benefits they provide to human beings. Through good management practices in
pastoral husbandry, a proper management and conservation of the ecosystems that the
stocks graze is possible. Therefore, livestock plays an important role as a provider not only
of ecosystem services, but of ecosystem regulation and maintenance services, such as the
control of accumulated biofuel, the dispersion of Mediterranean species, the decomposition
of litter, the enhancement of the nutrient cycle, the balance between native and invasive
species, landscape conservation, etc. [15]. However, as advanced by the conclusions
of the Millennium Ecosystem Assessment [6], the ecosystem services rendered by age-
old husbandry practices are currently in decline or seriously endangered. Regulation
services—conservation of habitats of interest to other species, soil fertilization or pasture
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improvement—and some cultural services—gastronomic traditions, identity and sense of
belonging to a territory, or landscape beauty—are especially at risk because of the increasing
dependence on external inputs in food production services [15–17].

It is thus possible to affirm that pastoral husbandry is on the wane. The intensification
of stockbreeding activities for the purpose of developing more productive systems has had
a negative impact on biodiversity and, consequently, on the ecosystem services provided.
In particular, this process is affecting the marginal areas that pastoral husbandry has
traditionally used, progressively relegating it to a much less relevant role [18]. However, all
of these problems could be solved in a context like the current one, where the sustainability
of animal production is being questioned [19], and the demand for food produced in ways
that respect animal wellbeing and helps to preserve ecosystems and biodiversity is growing.

The aim of this study is to carry out a systematic assessment, through a bibliometric
analysis, of the different ecosystem services provided by pastoral husbandry. We have
attempted to answer the following research questions, which we believe could be of interest
to researchers in this field: (i) what are the global trends of scientific publications on
the topic of grazing services?; (ii) which institutions, together with their corresponding
collaboration networks, work more intensely on this issue?; and (iii) which discipline
publishes the most on this topic? Finally, the implications of this reality, the challenges
ahead and the possible future lines of research within this field are also discussed in this
review article.

2. Materials and Methods

Bibliometric analysis is a popular and rigorous method for exploring and analyzing
large volumes of scientific data [20]. It differs from traditional narrative reviews in that it
implements a replicable, scientific and transparent procedure based on exhaustive literature
searches of published studies [21]. Unlike systematic literature reviews that tend to rely on
qualitative techniques, which may be marred by the interpretation bias of scholars from
different academic backgrounds, a bibliometric methodology uses quantitative techniques
to analyze bibliometric data and can thus avoid or mitigate that bias. Bibliometric analysis
can offer a balance between comprehensively identifying a larger pool of publications and
systematically identifying a smaller set of studies that fit criteria for inclusion [22].

First, a search was made in different databases (PubMed, Scopus, Google Scholar, etc.)
of articles on the topic using certain keywords in English, such as “ecosystem services”,
“pastoralism”, “grazing” or “husbandry services”, as well as combinations of those terms
and possible translations of them into Spanish. This initial step, prior to the actual biblio-
metric analysis, was intended to provide a first overview of the status of ecosystem services
in pastoral husbandry in academic publications. For the development of the biometric
analysis, data were gathered from the Scopus database of Elsevier. In order to cover full
calendar years, 2021 was set as the end date of the search period; consequently, the search
yielded results for the period 1961–2021. An exhaustive search was carried out in Scopus
using [TITLE-ABS-KEY (grazing AND service) AND (EXCLUDE (PUBYEAR, 2022))] as
the search field. The final number of articles found in the search was 2229. Subsequently, a
specific function of Scopus was used to collect information from the set of articles for the
bibliometric analysis of authorship, country of origin, field of study and number of citations,
among other categories. The information obtained from this database was analyzed and
processed with VOSviewer software (Leiden University and CWTS) for the purpose of
revealing the general thematic relationships among previously obtained manuscripts [20].
A bibliometric map with four clusters was thus obtained by VOSviewer software. Cluster
size was determined by the number of keywords within the cluster, the frequency of occur-
rence of those keywords, and their similarity index. The frequency of co-occurrence was
calculated on the basis of keywords repeated more than 40 times.

Finally, after the bibliometric analysis, the articles were subject to a thorough re-
view. This review enabled the assessment of the general situation of ecosystem services
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currently related to pastoral activities, including provisioning, regulation, cultural and
support services [6].

3. Results

The distribution of the documents per year identified is shown in Figure 1. As
indicated above, the academic use of the concept of ecosystem services did not take
root until the 1970s. The few references to it during the 1960s are interpreted as mere
coincidences, explained by their appearing in articles on agriculture; this is confirmed by
reading the abstracts of those articles. However, despite the emergence of the term in the
environmental debate, during the last three decades of the 20th century its use was far
from common, with an average of 5 publications per year (between 1961 and 2000, see
Figure 1). Only after the benchmark work by Daily [1] and other contemporary works
were published did the topic gain relevance and gather sufficient attention to cause a
noticeable change of trend around year 2001. In the 21st century, the production of works
referring to ecosystem services in pastoral husbandry greatly increased to reach the amount
of 2230 documents available in 2021, rising from five to 96 yearly publications in the period
2001–2021 (Figure 1). These trends were determined by using adjusted coefficients of
determination for both periods (R2 > 0.84 and R2 > 0.98, respectively).

Figure 1. Evolution of the number of publications per year and accumulated in the period 1961–2021,
resulting from the search in Scopus of the terms “grazing” and “service”. The adjusted coefficient of
determination used in each stage is shown.

Most of the documents analyzed (81%) were published as scientific works; the rest were
reviews (7.2%), book chapters (6.2%), papers presented at conferences on the topic (3.8%),
and other texts classified in rarer categories, each accounting for less than 1%. As usual
within the scientific community, the “de facto lingua franca” was English, in which 93.7% of
the documents analyzed were written.

With regard to the institutions funding this type of work, it was observed that the main
one was the National Natural Science Foundation of China, closely followed by similar
bodies attached to the governments of the United States and European Commission. The
Chinese Academy of Sciences and the United States Department of Agriculture (USDA)
are the two institutions whose researchers have, up to now, published more works on this
topic. This explains why most documents resulting from the search (727) originate in the
United States (Figure 2), making its territory, where livestock production is so prominent,
a relevant object of analysis in relation to ecosystem services. The contribution of the
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following countries is also noteworthy: China (214 documents), the United Kingdom (197),
Australia (183) and Germany (166) are on a second level of importance, followed by Spain
(109) and France (102), among others, on the third level. The authors leading these types of
studies was the Australian David J. Eldridge, (10 documents), although there are prominent
researchers from other countries, for instance, the American Justin D. Derner and Leslie
M. Roche, Sandra Lavorel from France, and Wolde Mekuria from Ethiopia, who have each
published nine documents.

Figure 2. Scientific production addressing the topic of ecosystem services in pastoral husbandry by
country, as obtained from the search in Scopus. The countries included are those in which more than
70 documents have been published.

As for the fields of study, agricultural and biological sciences are the ones with a larger
production of documents (34%) (Figure 3), followed by environmental sciences (32%) and
social sciences, with a much smaller academic output (8% of the total); the prevalence of
the two first areas is evident. The results are not surprising given that those sciences belong
within the environmental field, to which the concept of “ecosystem services” is attached.

Figure 3. Main fields of study to which the documents subject to the bibliometric analysis are related.
Only the fields where more than 60 documents have been produced are shown.

Figure 4 shows the connection between the documents obtained from the search
according to the more or less frequent presence of certain keywords in them. The resulting
map includes four major fields, which are differentiated by color, where the keywords
“ecosystem service”, “grazing” and “animals” stand out at the core of the relationships
between documents.
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Each of these four groups differentiated by the software were drawn in the form of
lists in order to compare them (Table 2). Cluster 1, including concepts such as “carbon
sequestration”, “nutrient cycling” or those referring to the soil, was closely connected to
regulation services. Cluster 3, which comprised terms like “crop production” or “milk
production”, was mostly related to provisioning services. Clusters 2 and 4 included a
wide variety of terms that reflected different types of services and, in contrast with clusters
1 and 3, were not closely connected to any of them. The conclusion that can be drawn is
that some types of services—regulation and provisioning—receive greater attention and
are more thoroughly studied than others, such as cultural and support services, showing
an imbalance that may be due to the apparent profitability of each service.

Table 2. Keywords found in the documents analyzed according to the clustering made with
VOSviewer. The minimum number of times each term included in those clusters needed to ap-
pear was set at 40.

Cluster 1 Cluster 2 Cluster 3 Cluster 4

Agriculture Abundance Agricultural production Adaptation
Carbon Anthropogenic effect Animal husbandry Climate change
Carbon sequestration Biodiversity Animals Decision making

Ecology Conservation of natural
resources Bovine Forage

Ecosystems Ecosystem function Cattle Grazing pressure

Environmental protection Ecosystem service Controlled study Land
management

Forestry Fires Crop production Livestock grazing
Forests Grassland Food supply Pastoralism
Land use Grazing Milk production Pasture
Nitrogen Herbivory Physiology Rangelands
Nutrient cycling Invasive species Procedures Semiarid region
Remote sensing Landscape Reproduction Sustainability
Restoration ecology Plant community Seasons
Soil conservation Species diversity Sheep
Soil fertility Species richness
Soils Vegetation structure
Water quality
Water supply
Wetlands

Figure 4. Clusters of keywords appearing in articles about grazing services with a frequency greater
than 40 (obtained using VOSviewer software) Four major fields are defined and differentiated by
color. Cluster 1 is depicted in red, cluster 2 in green, cluster 3 in blue, and cluster 4 in yellow. The
complete list of keywords in each group is shown in Table 2.
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4. Discussion

The documents gathered in the search may be divided into: (i) those focused on the
valuation of services in a specific context; (ii) those that describe the compensations between
services occurring in ecosystems; and (iii) those that examine policy implementation plans
and the way they are perceived by society. The growing number of documents on this topic
is based on the development of these three categories.

Based on the analysis of ecosystem functions and services made by Gómez-Baggethun
and De Groot [10], Table 3 presents a list of functions, goods and services that may be
attributed to natural ecosystems where livestock breeding is developed.

Table 3. Ecosystem functions, goods and services associated with pastoral husbandry. From Gómez-
Baggethun and De Groot [10].

Functions Examples of Goods and Services

Refuge and breeding site
Fire prevention
Maintenance of the biodiversity of
domesticated wild species, seed dispersal

Atmospheric and climate regulation Carbon sink

Nutrient regulation Maintenance of soil health and of productive
ecosystems, improvement of soil fertility

Raw materials Energy and natural fertilizers

Recreation Ecotourism

Medicinal resources Medicinal plants

Ornamental elements Materials used in craftwork: leather and fur

Aesthetic information Landscape enjoyment

Artistic, cultural and historical information Depictions of nature in books, films, cultural
heritage, etc.

Science and education Environmental education, scientific purposes

Housing A place to live, maintenance of rural
populations

Agriculture Food and raw materials, functional food

Tourism infrastructures Reduction of combustible biomass through the
development of tourism activities: hiking

Various authors [23,24] have concluded that well-adapted local breeds provide most
provisioning, regulation and cultural services. Therefore, the current discourse on provi-
sioning services highlights the importance of reinforcing the husbandry of endangered
or less commercially available autochthonous breeds, which not only provide meat, milk
and dairy products, fibers and textiles, but also improve the genetic heritage of the species,
which is a diversity value in itself as well as a source of protection for the breed in the face
of difficulties [25]. As pointed out by Martín-Collado et al. [26], within the field of animal
science it is essential to distinguish the exact role that breed, species and breeding practices
play in the supply of ecosystem services. Husbandry practices (including the choice of
species and breeds) modify the structure and functioning of the ecosystem, which may
cause ecosystem disservices (for instance, the reduction of water availability).

The different species and breeds, most of them autochthonous, living in one territory
are part of its ecosystem and provide a livelihood for people inhabiting those rural areas,
where it is sometimes very difficult to pursue an economic activity other than extensive
livestock rearing. In the Mediterranean region and, more specifically, in Andalusia, sheep
breeds (such as the Merina, Merina de Grazalema or Segureña), cattle breeds (such as
the Retinta, Berrenda or Pajuna), goat breeds (such as the Payoya, Malagueña, Murciano-
Granadina, Florida, Blanca Andaluza or Negra Serrana), and pork breeds (mainly the
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Ibérica), are good examples of the rich genetic diversity of the dehesas and mountain areas,
although many of those breeds, as well as the production models developed around them,
are currently endangered [27].

Despite the important role played by ecosystem services, the FAO [28] has stressed
the need for appropriate legislation on their management in developing countries because
of the lack of formal recognition of their value on the part of the ruling classes. Only in
European Union countries has this need been adequately fulfilled [29]. It is important to
underline, in relation to the protection and promotion of the above-mentioned breeds, that
they provide access to a whole market, like the current one, where value-added products
are sought because of their gastronomic quality and sustainability [30]. They produce
benefits that go beyond those associated with ecosystem services, for they encourage
business and overall development in environments where husbandry is supported and
promoted [31]. Another important factor in favor of protecting autochthonous breeds
is livestock diversification, because diversity enhances multifunctionality [32] and the
integration of agents that may provide services to the agroecosystem.

Support services are often mentioned in relation to other services. Primary production,
photosynthesis or nutrient cycling, among other support services, are usually taken into
consideration for the purpose of subsequently connecting them, for instance, to a provi-
sioning service such as the production of forage or the quality of animal products—which
is mainly the result of the way animals are fed [31], thus creating a feedback loop. Re-
garding primary production, it has been found that in Mediterranean ecosystems pastoral
livestock stimulates the production of pastures giving rise to what is called the “pastoral
paradox”: the most appetizing and nutritious pasture species, which are usually the most
grazed ones, increase their abundance thanks to grazing. Mediterranean species have
evolved together with pastoral livestock, so they can withstand grazing much more than
others due to their greater capacity for regrowth or trampling support. In this sense, they
have competitive advantages [33]. Likewise, pastoral livestock can facilitate the improve-
ment of soil resources through: (i) trampling, which activates the recycling of nutrients
and the conservation of poor soils by improving their structure, favoring drainage and
reducing erosion; (ii) the movement of livestock during grazing, which connects different
agroecosystems, thus facilitating horizontal fertility and contributing to seed dispersal; and
(iii) access to stubble and crop residues, which favors the recirculation of nutrients and
avoids additional work (droppings increase the biological activity of soils and the presence
of detritivores, mycorrhizae, fungi, etc.).

It is important to underline that, very often, the contribution of pastoral husbandry to
this type of ecosystem services is described in critical terms due to the risk of overgrazing.
Only through lighter, less intensive forms of pastoralism, based on the application of a
mixed-method approach to agroecosystems, can the balance between the services provided
by pastoral husbandry and the damaging effects of this activity on the environment [34,35].

Other services examined in the documents analyzed are the so-called regulation
services, which include, for instance, climate regulation, fire prevention, plant species
control or pollination. With regard to climate regulation, Teague et al. [34] point out that
ruminants are usually accused of being the source of greenhouse gas emissions—mostly
via methane production, but through proper pasture management these animals may
actually help increase soil carbon sequestration, thus offsetting the emissions. According to
McDermot and Elavarthi [36], agroecosystems have the capacity to sink 1.2 to 3.1 billion
tons of carbon per year over a period of 50 years. These authors consider that this degree of
carbon sequestration is capable of offsetting a third of the annual increase in atmospheric
CO2, which is estimated at 3.3 PgC/year. One ton of carbon sequestered in the soil allows
the elimination of 3.67 tons of atmospheric CO2, in addition to improving agronomic
productivity and enhancing soil resilience. According to Bork et al. [37], the key lies in the
activity of the roots of herbaceous species: their response to grazing is to produce more roots
and more exudates through them. The higher root mass produced in grazed grasslands
partially explains why grazing tends to concentrate more carbon in the soil. In spite of this,
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the relationship between pastoralism and organic soil carbon is not linear, and a thorough
study of each agroecosystem seems necessary if any conclusions are to be drawn [38,39].
The success of grazing management will depend on how well the increase in livestock
efficiency is balanced with the need to maintain the chemical, physical, hydrological and
biological properties of each type of soil (a key element of the ecosystem). It is important to
note that, although the capacity of vegetation to act as a carbon sink is well documented in
the literature [38,40,41], grazing lands associated with livestock production, which could
significantly balance the net greenhouse gas emissions emission values, has been rarely
considered to date [40]. This is due, to a large extent, to the difficulties in measuring it. It is
therefore necessary to develop methodologies that facilitate the quantification of the carbon
sequestered by grasslands and stored in their soils, and of the methane they oxidize, and to
propose an emission model that is closer to the complex reality of these production systems.

The use of livestock to prevent fires is known around the world and has been demon-
strated throughout human history [42]. Fire prevention is one of the most valued and
frequently remunerated ecosystem services provided by pastoral husbandry. Pastoral
husbandry helps reduce combustible biomass, consequently decreasing the risk of fire [43].
Certainly, as with many other services provided by agroecosystems, it requires that pastoral
activities are properly organized in order to be fully effective. The work developed by the
Red de Áreas Pasto-Cortafuegos de Andalucía (RAPCA, Andalusian Network of Pasture-
Firebreak Areas) exemplifies such an attempt. Through a controlled management of the
livestock by the shepherds’ activities, it helps clear the grass and brush from strategically
designed fire lanes [44], and contributes to diversifying the income of farmers, who receive
economic compensation, albeit minor, for their work [45].

Plant species control through herbivory cannot be highly targeted, but is important
enough to prevent the spread of invasive species or to reduce the density of herbal or
woody species competing among themselves and hindering landscape heterogeneity [46].
Grazing changes the abundance and diversity of flowers, thus affecting the structure and
dynamics of the entire community of interactions. [47]. The effect of grazing on pollinators
and their pollination services can vary from positive to negative depending on the way
in which livestock modify the vegetation and on whether the observed foraging intensity
increases or decreases the floral resources used by pollinators [47,48].

Cultural services are more connected to human subjectivity than to objective matter.
In general terms, society recognizes the importance of the ecosystem services provided
by livestock farming [29], valuing each category—even the relatively invisible support
services, but it particularly appreciates cultural services, which are perceived as elements
of the common identity [29,49]. However, despite this positive reception, the scientific
community has not truly delved into the study of cultural services, which have been barely
characterized. It seems necessary to take these services out of the purely subjective level in
order to examine them more thoroughly, because being the most “human” of all ecosystem
services, they can help society understand the general concept more accurately.

5. Conclusions and Future Prospects

The bibliometric analysis and the assessment of the documents revealed the great sci-
entific and academic interest in the role that pastoral husbandry plays in current ecosystems.
Most documents analyzed insist on the need to encourage the promotion of ecosystem
services from the institutions and to take them into consideration as a factor in the devel-
opment of environmental policies. In this sense, the different approaches on ecosystem
services can be an obstacle in themselves, given the general lack of agreement on: (i) their
definition and classification; (ii) the way to integrate them in land management [7,50]; and
(iii) the actual steps to be taken in decision-making processes. Ultimately, those approaches
remain mere theoretical interpretations [51]. The Ecosystem Service Database and other
platforms created for the purpose of making the most important studies on the topic avail-
able to researchers, or the application ARIES, developed to evaluate ecosystem services
using artificial intelligence, are tools—sponsored, in these two cases, by the University of
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Vermont—which are expected to improve scientific communication and to help implement
measures to solve the problems associated with those services [7]. On the other hand,
some studies have placed emphasis on the reduction of services associated with bad land
management practices and on how this is causing massive economic losses across the
world [52]. Providing a more appropriate framework for action should support rather than
undermine the efforts to propose practical measures.

Although it is true that in European Union countries ecosystem services are acknowl-
edged at a national and even regional level, this recognition is still limited and does not
ease the supply and flow of ecosystem services in general and those related to pastoral
husbandry in particular [29]. One example of European Union policies aimed not only
at protecting populations dependent on agriculture, but also, in principle, at managing
ecosystem services are the subsidies provided through the Common Agrarian Policy (CAP)
mechanism. However, they are constantly being reformed because their allocation methods
are often controversial. To solve this situation, in 2021 a debate was initiated on a new type
of subsidy known as an eco-scheme. Eco-schemes are released following the fulfillment of
stricter requirements related to the maintenance of specific ecosystem services [53].

There is no doubt that, when well-managed, pastoral husbandry and the use of
autochthonous breeds are an opportunity, even a necessity, for livestock farming to continue
providing innumerable ecosystem services. There can be many reasons for the absence
of concrete actions: (i) lack of recognition to and remuneration of the ecosystem services
associated with this model of husbandry; (ii) because of the low prices at source of meat and
milk (the main source of income for animal farms), which most often do not compensate the
costs of production; (iii) due to changes in food habits, including the decrease in the demand
of ruminant meat resulting from the “bad press” that livestock breeding has gained in
recent times; or (iv) to the lack of real and effective institutional support for this production
model. The reality is that no measures are taken and, within a few years, extensive
and pastoral husbandry will most probably disappear or become so residual that most
ecosystem services provided by them will be lost. In addition to putting food sovereignty
at risk, this will have a negative effect on the regulation of ecosystems associated with the
Mediterranean forest and will certainly contribute to the depopulation and abandonment
of many rural areas. This section is not mandatory but can be added to the manuscript if
the discussion is unusually long or complex.

Author Contributions: Conceptualization and Methodology, J.M.M.-L., D.G. and C.P.-C.; Formal
analysis and Data curation, J.M.M.-L., C.P.-C., E.M.-J. and Y.M.; Investigation and writing edition,
J.M.M.-L., D.G., C.P.-C., J.C. and Á.M.V. Supervision J.M.M.-L. and J.C. All authors have read and
agreed to the published version of the manuscript.

Funding: This research received no external funding.

Informed Consent Statement: Not applicable.

Data Availability Statement: Not applicable.

Acknowledgments: Special thanks to M. M. Ballesteros Martín for her help in using the VOSviewer
software. The authors thank the anonymous reviewers for helpful suggestions concerning pre-
sentation of this manuscript. T. Muñoz Sebastián (Lengua fértil) revised the English version of
the manuscript.

Conflicts of Interest: The authors declare that they have no conflict of interest.

References

1. Daily, G.C. Nature’s services: Societal dependence on natural ecosystems. In The Future of Nature; Yale University Press: New
Haven, CT, USA, 1997; pp. 454–464.

2. Camacho-Valdez, V.; Ruiz-Luna, A. Marco conceptual y clasificación de los servicios ecosistémicos. Rev. Bio Cienc. 2012, 1.
[CrossRef]

3. Costanza, R.; d’Arge, R.; De Groot, R.; Farber, S.; Grasso, M.; Hannon, B.; Limburg, K.; Naeem, S.; O’Neill, R.V.; Paruelo, J.; et al.
The value of the world’s ecosystem services and natural capital. Nature 1997, 387, 253–260. [CrossRef]

37



Land 2022, 11, 2083

4. Costanza, R.; Daly, H.E. Natural capital and sustainable development. Conserv. Biol. 1992, 6, 37–46. [CrossRef]
5. De Groot, R.S.; Wilson, M.A.; Boumans, R.M. A typology for the classification, description and valuation of ecosystem functions,

goods and services. Ecol. Econ. 2002, 41, 393–408. [CrossRef]
6. Millennium Ecosystem Assessment. Ecosystems and Human Well-Being: Synthesis; Island Press: Washington, DC, USA, 2005.
7. De Groot, R.S.; Alkemade, R.; Braat, L.; Heina, L.; Willemenad, L. Challenges in integrating the concept of ecosystem services and

values in landscape planning, management and decision making. Ecol. Complex. 2010, 7, 260–272. [CrossRef]
8. Wallace, K.J. Classification of ecosystem services: Problems and solutions. Biol. Conserv. 2007, 139, 235–246. [CrossRef]
9. Daniel, T.C.; Muhar, A.; Arnberger, A.; Aznar, O.; Boyd, J.W.; Chan, K.M.A.; Costanza, R.; Elmqvist, T.; Flint, C.G.; Gobster, P.H.;

et al. Contributions of cultural services to the ecosystem services agenda. Proc. Natl. Acad. Sci. USA 2012, 109, 8812–8819.
[CrossRef]

10. Gómez-Baggethun, E.; De Groot, R. Capital natural y funciones de los ecosistemas: Explorando las bases ecológicas de la
economía. Rev. Ecosistemas 2007, 16.

11. Martín-Vicente, Á.; Fernández-Alés, R. Long term persistence of dehesas. Evidences from history. Agrofor. Syst. 2006, 67, 19–28.
[CrossRef]

12. Altieri, M.A.; Koohafkan, P. Enduring Farms: Climate Change, Smallholders and Traditional Farming Communities; Third World
Network: George Town, Malaysia, 2008.

13. Nieto-Romero, M.; Oteros-Rozas, E.; González, J.A.; Martín-López, B. Exploring the knowledge landscape of ecosystem services
assessments in Mediterranean agroecosystems: Insights for future research. Environ. Sci. Policy 2014, 37, 121–133. [CrossRef]

14. Tejedor-Rodríguez, C.; Moreno-García, M.; Tornero, C.; Hoffmann, A.; de Lagrán, G.-M.; Arcusa-Magallón, H.; Garrido-Pena, R.;
Royo-Guillén, J.I.; Díaz-Navarro, S.; Peña-Chocarro, L.; et al. Investigating Neolithic caprine husbandry in the Central Pyrenees:
Insights from a multi-proxy study at Els Trocs cave (Bisaurri, Spain). PLoS ONE 2021, 16, e0244139. [CrossRef] [PubMed]

15. Morales-Jerrett, E.; Mancilla-Leytón, J.M.; Delgado-Pertíñez, M.; Mena, Y. The contribution of traditional meat goat farming
systems to human wellbeing and its importance for the sustainability of this livestock subsector. Sustainability 2020, 12, 1181.
[CrossRef]

16. Castro, A.J.; Verburg, P.H.; Martín-López, B.; Garcia-Llorente, M.; Cabello, J.; Vaughnb, C.C.; López, E. Ecosystem service
trade-offs from supply to social demand: A landscape-scale spatial analysis. Landsc. Urban Plan. 2014, 132, 102–110. [CrossRef]

17. Turkelboom, F.; Leone, M.; Jacobs, S.; Kelemen, E.; García-Llorente, M.; Baró, F.; Termansen, M.; Barton, D.N.; Berry, P.; Stange, E.;
et al. When we cannot have it all: Ecosystem services trade-offs in real-life planning contexts. Ecosyst. Serv. 2017, 29, 566–578.
[CrossRef]

18. Dong, S.; Wen, L.; Liu, S.; Zhang, X.; Lassoie, J.P.; Yi, S.; Li, X.; Li, J.; Li, Y. Vulnerability of worldwide pastoralism to global
changes and interdisciplinary strategies for sustainable pastoralism. Ecol. Soc. 2011, 16, 10. [CrossRef]

19. Steinfeld, H.; Gerber, P.; Wassenaar, T.D.; Castel, V.; Rosales, M.; Rosales, M.; de Haan, C. Livestock’s Long Shadow: Environmental
Issues and Options; Food and Agriculture Organization: Rome, Italy, 2006.

20. Donthu, N.; Kumar, S.; Mukherjee, D.; Pandey, N.; Lim, W.M. How to conduct a bibliometric analysis: An overview and
guidelines. J. Bus. Res. 2021, 133, 285–296. [CrossRef]

21. Linnenluecke, M.K.; Marrone, M.; Singh, A.K. Conducting systematic literature reviews and bibliometric analyses. Aust. J. Manag.
2020, 45, 175–194. [CrossRef]

22. Tranfield, D.; Denyer, D.; Smart, P. Towards a methodology for developing evidence-informed management knowledge by means
of systematic review. Br. J. Manag. 2003, 14, 207–222. [CrossRef]

23. Marsoner, T.; Vigl, L.E.; Manck, F.; Jaritz, G.; Tappeiner, U.; Tasser, E. Indigenous livestock breeds as indicators for cultural
ecosystem services: A spatial analysis within the Alpine Space. Ecol. Indic. 2018, 94, 55–63. [CrossRef]

24. Leroy, G.; Hoffmann, I.; From, T.; Hiemstra, S.J.; Gandini, G. Perception of livestock ecosystem services in grazing areas. Animal
2018, 12, 2627–2638. [CrossRef]

25. Buller, H.; Morris, C.; Jones, O.; Hopkins, A.; Wood, J.D.; Whittington, F.M.; Kirwan, J. Eating biodiversity: An investigation of
the links between quality food production and biodiversity protection. In The Science of Beef Quality; British Society of Animal
Science: Scotland, UK, 2005; p. 57.

26. Martín-Collado, D.; Boettcher, P.; Bernués, A. Opinion paper: Livestock agroecosystems provide ecosystem services but not their
components–the case of species and breeds. Animal 2019, 13, 2111–2113. [CrossRef] [PubMed]

27. ARCA. Sistema Nacional de Información de Razas. Available online: https://www.mapa.gob.es/es/ganaderia/temas/zootecnia/
razas-ganaderas/razas/catalogo/default.aspx (accessed on 15 July 2022).

28. FAO. The Second Report on the State of the World’s Animal Genetic Resources for Food and Agriculture. Available online:
https://agris.fao.org/agris-search/search.do?recordID=XF2016015790 (accessed on 1 July 2022).

29. Leroy, G.; Baumung, R.; Boettcher, P.; Besbes, B.; From, T.; Hoffmann, I. Animal genetic resources diversity and ecosystem services.
Glob Food Secur. 2018, 17, 84–91. [CrossRef]

30. Wood, J.D.; Richardson, R.I.; Scollan, N.D.; Hopkins, A.; Dunn, R.; Buller, H.; Whittington, F.M. Quality of meat from biodiverse
grassland. In High Value Grassland; Hopkins, J.J., Duncan, A.J., McCracken, D.I., Peel, S., Tallowin, J.R.B., Eds.; British Grassland
Society: Cirencester, UK, 2007; pp. 107–116.

38



Land 2022, 11, 2083

31. Bullock, J.M.; Jefferson, R.G.; Blackstock, T.H.; Pakeman, R.J.; Emmett, B.A.; Pywell, R.J.; Grime, J.P.; Silvertown, J. Semi-natural
grasslands. In The UK National Ecosystem Assessment Technical Report; UK National Ecosystem Assessment, UNEP-WCMC:
Cambridge, UK, 2011.

32. Wang, L.; Delgado-Baquerizo, M.; Wang, D.; Isbell, F.; Liu, J.; Feng, C.; Liu, J.; Zhong, Z.; Zhu, H.; Yuan, X.; et al. Diversifying
livestock promotes multidiversity and multifunctionality in managed grasslands. Proc. Natl. Acad. Sci. USA 2019, 116, 6187–6192.
[CrossRef]

33. Hernández Díaz-Ambrona, C.G. Ecología productiva de la dehesa. Agricultura 2003, 72, 38–42.
34. Teague, W.R.; Apfelbaum, S.; Lal, R.; Kreuter, U.P.; Rowntree, J.; Davies, C.A.; Conser, R.; Rasmussen, M.; Hatfield, J.; Wang, T.;

et al. The role of ruminants in reducing agriculture’s carbon footprint in North America. J. Soils Water Conserv. 2016, 71, 156–164.
[CrossRef]

35. Fan, F.; Liang, C.; Tang, Y.; Harker-Schuchd, I.; Porteref, J.R. Effects and relationships of grazing intensity on multiple ecosystem
services in the Inner Mongolian steppe. Sci. Total Environ. 2019, 675, 642–650. [CrossRef] [PubMed]

36. McDermot, C.; Elavarthi, S. Rangelands as Carbon Sinks to Mitigate Climate Change: A Review. J. Earth Sci. Clim. Chang. 2014,
5, 221.

37. Bork, E.W.; Raatz, L.L.; Carlyle, C.N.; Hewins, D.B.; Thompson, K.A. Soil carbon increases with long-term cattle stocking in
northern temperate grasslands. Soil Use Manag. 2020, 36, 387–399. [CrossRef]

38. Soussana, J.F.; Loiseau, P.; Vuichard, N.; Ceschia, E.; Balesdent, J.; Chevallier, T.; Arrouays, D. Carbon cycling and sequestration
opportunities in temperate grasslands. Soil Use Manag. 2004, 20, 219–230. [CrossRef]

39. Eldridge, D.J.; Delgado-Baquerizo, M. Continental-scale impacts of livestock grazing on ecosystem supporting and regulating
services. Land Degrad. Dev. 2017, 28, 1473–1481. [CrossRef]

40. Muñoz Vallés, S.; Mancilla-Leytón, J.M.; Morales-Jerrett, E.; Mena, Y. Natural Carbon Sinks Linked to Pastoral Activity in S Spain:
A Territorial Evaluation Methodology for Mediterranean Goat Grazing Systems. Sustainability 2021, 13, 6085. [CrossRef]

41. Terrer, C.; Phillips, R.P.; Hungate, B.A.; Rosende, J.; Pett-Ridge, J.; Craig, M.E.; Jackson, R.B. A trade-off between plant and soil
carbon storage under elevated CO2. Nature 2021, 591, 599–603. [CrossRef] [PubMed]

42. Bowman, D.M.; Balch, J.; Artaxo, P.; Bond, W.J.; Cochrane, M.A.; D’antonio, C.M.; Swetnam, T.W. The human dimension of fire
regimes on Earth. J. Biogeog. 2011, 38, 2223–2236. [CrossRef] [PubMed]

43. Mancilla-Leytón, J.M.; Pino Mejías, R.; Martín Vicente, A. Do goats preserve the forest? Evaluating the effects of grazing goats on
combustible Mediterranean scrub. Appl. Veg. Sci. 2013, 16, 63–73. [CrossRef]

44. Olivera-García, R.; de Miguel García, Y.; Varela-Redondo, E.; Ruiz-Mirazo, J.; Robles Cruz, A.B.; González Rebollar, J.L.; Caballero
Sánchez, J. Red de Áreas Pasto-Cortafuegos de Andalucía (RAPCA): El Pastoreo Controlado Como Herramienta de Prevención
de Incendios Forestales. Available online: https://digital.csic.es/handle/10261/42949 (accessed on 10 July 2022).

45. Mena, Y.; Ruiz-Mirazo, J.; Ruiz, F.A.; Castel, J.M. Characterization and typification of small ruminant farms providing fuelbreak
grazing services for wildfire prevention in Andalusia (Spain). Sci. Total Environ. 2016, 544, 211–219. [CrossRef]

46. Clark, E.A. Benefits of re-integrating livestock and forages in crop production systems. J. Crop Improv. 2004, 12, 405–436. [CrossRef]
47. Lázaro, A.; Tur, C. Los cambios de uso del suelo como responsables del declive de polinizadores. Ecosistemas 2018, 27, 23–33.

[CrossRef]
48. Sjödin, N.E.; Bengtsson, J.; Ekbom, B. The influence of grazing intensity and landscape composition on the diversity and

abundance of flower-visiting insects. J. App. Ecol. 2008, 45, 763–772. [CrossRef]
49. Bernués, A.; Rodríguez-Ortega, T.; Ripoll-Bosch, R.; Alfnes, F. Socio-cultural and economic valuation of ecosystem services

provided by Mediterranean mountain agroecosystems. PLoS ONE 2014, 9, e102479. [CrossRef]
50. Nahlik, A.M.; Kentula, M.E.; Fennessy, M.S.; Landers, D.H. Where is the consensus? A proposed foundation for moving ecosystem

service concepts into practice. Ecol. Econ. 2012, 77, 27–35. [CrossRef]
51. Martínez-Harms, M.J.; Bryan, B.A.; Balvanera, P.; Lawa, E.A.; Rhodesd, J.R.; Possinghamae, H.P.; Wilsona, K.A. Making decisions

for managing ecosystem services. Biol. Conserv. 2015, 184, 229–238. [CrossRef]
52. Costanza, R.; De Groot, R.; Sutton, P.; van der Ploeg, S.; Anderson, S.J.; Kubiszewski, I.; van der Ploeg, S.; Anderson, S.J.;

Kubiszewski, I.; Farber, S.; et al. Changes in the global value of ecosystem services. Glob. Environ. Chang. 2014, 26, 152–158.
[CrossRef]

53. MAPA (Ministerio de Agricultura, Pesca y Alimentación) Ecoesquema 1: Mejora de la Sostenibilidad de los Pastos, Aumento de
la Capacidad de Sumidero de Carbono y Prevención de Incendios Mediante el Impulso del Pastoreo Extensivo. Available online:
https://www.agrodigital.com/wp-content/uploads/2020/12/eco1c.pdf (accessed on 15 July 2022).

39



Citation: Chouvardas, D.;

Karatassiou, M.; Stergiou, A.;

Chrysanthopoulou, G. Identifying

the Spatiotemporal Transitions and

Future Development of a Grazed

Mediterranean Landscape of South

Greece. Land 2022, 11, 2141. https://

doi.org/10.3390/land11122141

Academic Editor: Xiangzheng Deng

Received: 17 October 2022

Accepted: 24 November 2022

Published: 28 November 2022

Publisher’s Note: MDPI stays neutral

with regard to jurisdictional claims in

published maps and institutional affil-

iations.

Copyright: © 2022 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

land

Article

Identifying the Spatiotemporal Transitions and Future
Development of a Grazed Mediterranean Landscape of
South Greece

Dimitrios Chouvardas, Maria Karatassiou *, Afroditi Stergiou and Garyfallia Chrysanthopoulou

Laboratory of Rangeland Ecology (P.O. 286), School of Forestry and Natural Environment, Aristotle University of
Thessaloniki, 54124 Thessaloniki, Greece
* Correspondence: karatass@for.auth.gr (M.K.); Tel.: +30-2310-992302

Abstract: Spatiotemporal changes over previous decades in grazed Mediterranean landscapes have
taken the form of woody plant encroachment in open areas (e.g., grasslands, open shrublands,
silvopastoral areas), altering its structure and diversity. Demographic and socioeconomic changes
have played a significant role in landscape transformations, mainly by causing the abandonment
of traditional management practices such as pastoral activities, wood harvesting, and agricultural
practices in marginal lands. This study aimed to quantify and evaluate the spatiotemporal changes in
a typical grazed Mediterranean landscape of Mount Zireia during 1945–2020, and to investigate the
effect of these changes on the future development (2020–2040) of land use/land cover (LULC) types.
Cartographic materials such as aerial orthophotos from 1945, land use maps of 1960, Corine Land
Cover of 2018, and recent satellite images were processed with ArcGIS software. To estimate the future
projection trends of LULC types, logistic regression analyses were considered in the framework of
CLUE modeling. The results indicated that the strongest trend of spatiotemporal changes were forest
expansion in open areas, and grasslands reduction, suggesting that the LULC types that were mainly
affected were forest, grasslands, and silvopastoral areas. Future development prediction showed that
forests will most probably continue to expand over grassland and silvopastoral areas, holding a high
dynamic of expansion into abandoned areas. The reduction in grasslands and silvopastoral areas,
independent of environment and biodiversity implications, represents a major threat to sustainable
livestock husbandry based on natural grazing resources.

Keywords: land abandonment; pastoral activities; forest expansion; grassland reduction; CLUE
modeling framework; logistic regression

1. Introduction

Mediterranean landscapes are considered highly diverse areas in terms of history,
geography and land uses. Several civilizations from ancient times have left a rich cultural
heritage promoting this variety [1]. The Mediterranean landscapes, as a result of their
long history of human activities, with a unique combination of topographic and climatic
variability, have generated a rare combination of unique, but fragile, diverse species-rich
ecosystems [2,3]. The Mediterranean basin is the second largest biodiversity hotspot in the
world, holding more than 25,000 plant species [4]. The long history of human intervention in
this area has formed plant communities that are considered as “man-made” and composed
of natural components, a fact that has a significant value in setting goals and methodology
for sound conservation interventions [5]. The last 75 years of technological advances, such
as the introduction of heavy machinery in farming activities [6], trade globalization, the
creation of the European Economic Community [2], and the Common Agricultural Policy
(CAP) [7,8], have driven dramatic changes in these ecosystems unlike those experienced
in the past [9]. In recent years, climate changes, along with unbalanced land use activities
(e.g., coastalization, undergrazing, and land abandonment), have facilitated Mediterranean
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ecosystems change [10]. Two opposite trends of landscape evolution have occurred in
the Mediterranean region in recent decades. Forest cover increased around the northern
edge of the Mediterranean region (south European countries) and decreased around its
southern edge (mainly in the Maghreb countries). This increase in forest cover in northern
Mediterranean landscapes is mainly attributed to the abandonment of marginal agricultural
lands [11,12], while the decrease in forest in the south is attributed to the expansion of
cropland in marginal areas initially dominated by woodlands [13]. The above changes have
followed the socioeconomic trends of land abandonment in rural areas in the north versus
the increased population pressure in rural areas in the south [9,14].

One of the main land use activities in Mediterranean landscapes is pastoral activi-
ties [2,9,13,15]. Approximately one-fifth of European agricultural lands are dedicated to
extensive livestock grazing, with the majority being situated in southern Mediterranean
Europe, including the Balkans. Furthermore, 80% of Europe’s sheep and goat flocks are
located in Spain, Italy, Greece, and southern France [16]. Grazing is considered a major
landscape-changing factor directly related to human activities, especially in Mediterranean
areas [17,18]. Greek landscapes have historically been grazed by livestock in quite a
similar way as modern practices, and are highly influenced by the changes in traditional
pastoral activities [19,20]. Recently, significant changes emerged in the traditional extensive
livestock production systems of Greece, mainly related to the reduction in the number of
local and transhuman flocks of free-grazing animals (sheep, goats, and cattle) [8,20–23].
These changes follow the land abandonment trend already mentioned for the European part
of the Mediterranean region, and they highly contribute to the spatiotemporal transitions
occurring in grazed areas. These transitions are taking the form of woody plant expansion in
open areas, transforming grasslands, open shrublands, silvopastoral areas and abandoned
agricultural areas, into forest or dense shrublands [21,24–28].

The study of land use/land cover (LULC) change provides an important aspect in
understanding the history of spatiotemporal transition patterns, derived from landscape
changes. Spatiotemporal transition patterns produce useful data for studying the effect of
physical and socioeconomic interactions, land use conflicts, and influences on landscape
changes [29–31]. Analysis of spatiotemporal changes and transitions is typically conducted
within the geographic information systems (GIS) environment [30,32], with visual photoin-
terpretation of a time series set of aerial photographs [33,34] through digital processing
of multispectral satellite images [32], or more recently through object-based recognition
technics [35]. The development of transition matrices has become an important part of
landscape history analysis [36]. New tools and indicators of LULC changes derived from
the matrices have emerged, addressing issues related to the annual rate of changes [30],
persistence and net changes as quantity difference and swap as allocation difference [37],
and identifying systematic or main transitions [29,36].

Predicting the future development of LULC types and transitions is an effective and
reliable technique for evaluating both the causes and the significance of past and present
conditions, usually under future scenarios [27,38,39]. Several spatiotemporal models for
LULC future projections have been proposed over the years [31], including the adoption
of empirical models for LULC prediction such as logistic regression approaches (e.g.,
CLUE modeling framework, LCM, MaxEnt) [39–41]. The use of regression analysis in
landscape prediction studies contributes to understanding and describing the change
mechanisms and processes of LULC types, provides an advanced statistical environment
for analyzing multivariate components, and finally, predicts the LULC changes [14,42]. The
above prediction models can also produce accurate results to support policy makers, land
managers, and scientists in reaching sustainable landscape management decisions [41].

Spatiotemporal changes have a significant effect on altering landscape structure in
terms of landscape composition and configuration [43]. These changes can be easily
evaluated with the use of landscape metrics [44,45], applied in spatiotemporal studies of
landscape changes [22,24,46,47], or in the future projections of land use changes [48].
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Overall, there is a limited amount of published information regarding the spatiotem-
poral changes in grazed landscapes, especially for the eastern part of the Mediterranean
region, and particularly about the influences of land abandonment in the future develop-
ment of land uses that are related to pastoral activities. Therefore, the present research aims
to: (a) quantify and evaluate the spatiotemporal changes of a typical, grazed Mediterranean
landscape of south Greece (Mt Zireia landscape), (b) investigate the effect of these changes
on the future development of the most significant LULC types, and (c) identify their cor-
relation to a set of landscape driving factors. Finally, the overall effect and interactions of
socioeconomic changes are explored, focusing on pastoral activities in LULC transitions
and future development.

2. Study Area

Mount (Mt) Zireia (or Kyllini), located in the Peloponnese peninsula (South Greece),
was selected for the study. Mount Zireia is the second highest mountain in the Peloponnese,
located in the Korinthos prefecture 115 km west of Athens (Figure 1).

 

Figure 1. Location of the study area in Mt Zireia, south Greece.

The study area covers 39,762 ha of land inhabiting 3777 people living in 19 village
communities–municipalities subdistricts. Elevations in the study range from 310 m to
2374 m a.s.l. A large gorge, called Flampouritsa, divides the mountain into two areas,
“Mikri” (small) Zireia and “Megali” (big) Zireia. Mt Zireia, apart from the highest point of
2374 m, has other seven peaks above 2000 m (four in Megali and three in Mikri Zireia). The
multiple ridges created by the mountain tops, in combination with valleys and plateaus,
create a particularly diverse relief of hills, plains, cliffs, and canyons. More than two-thirds
of the study area is part of the network of Natura 2000 protected areas (pSCI, SCI or SAC,
SPA) [49]. Two main hydrological basins are found in the area, creating the natural lake
Stymfalia (area 15,285 ha) to the south, and the artificial lake Doxa (area 48 ha) in the west
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(Figure 1), which greatly affect the microclimatic conditions and facilitate the touristic
development of the area. Lake Stymfalia is closely connected to Greek mythology, and
especially with Heracles’ legendary labors. According to mythology, the lake was full of
aggressive man-eating Stymphalian birds, and Heracles’ sixth labor was to exterminate
them [50].

The climate, according to Köppen–Geiger climate classification, is a hot summer
Mediterranean climate (coded as “Csa”) [51]. The mean annual precipitation has varied
over the last 60 years, from 418.62 mm (in 1993) to 1056 mm (in 2005), while the mean
annual temperature varied from 12.59 ◦C (coldest year in 1976) to 15.55 ◦C (warmest year
in 2010) [52].

The main land uses of the area are forests, rangelands, and agricultural areas. Range-
lands include grasslands, shrublands, and silvopastoral areas with less than 40% tree cover
and grazed by sheep and goats. Agricultural areas are cultivated mainly with annual crops
such as beans, corn, barley, and wheat [52].

According to the official census report derived from the Hellenic Statistical Author-
ity [53], the temporal evolution of socioeconomic data from 1961 (oldest available data)
until the most recent available data of 2011, showed that in the last 50 years, the total popu-
lation, active workforce, and employees in the primary economic sector has rapidly been
reducing (Table 1), following the general trend of land abandonment that many researchers
have reported for the Mediterranean region [8,44,54,55]. Age structure analysis indicates
that the human population is becoming older. Indeed, 62% of the population was under 44
in 1961, versus 47% in 2011 (Table 2).

Table 1. Temporal evolution (1961–2011) of the total population, active workforce, and primary sector
employees of the nineteen village communities in the study area.

Total
Population

Total
Working Force

Employees in
the Primary

Sector

% of Primary Sector
Employees per Total

Working Force

1961 7420 3632 3169 87.25
2011 3777 1354 682 50.37

(Source: Hellenic Statistical Authority.)

Table 2. Temporal evolution (1961–2011) of age structure (as percentages) of the local population of
the nineteen village communities in the study area.

1961 2011

% (0–44) % (45–) % (0–44) % (45–)

Total 62.34 37.66 46.93 53.07
(Source: Hellenic Statistical Authority.)

In contrast, the local population over 45 years old increased from 38% to 53%, for the
same period. The above data are in line with demonstrated demographic change in the
Mediterranean region and the movement of the mainly younger population from rural
areas to urban centers [8,11,44].

Census data from the Hellenic Statistical Authority and the Payment and Control
Agency for Guidance and Guarantee Community Aid [56], regarding the historical data of
transhumans [57], revealed that the number of grazing animals (mainly sheep and goats)
and their farms have significantly reduced in the last 50 years (Table 3) [20].
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Table 3. Temporal evolution (1961–2020) of grazing animals (sheep and goats) in the study area.

Number of Animals
Percentage of Change

1961 2020

Sedentary 28,750 27,595 −4.02
Transhumant 38,230 13,717 −64.12

Total 66,980 41,312 −38.32

The total number of grazing animals decreased from 1961 to 2011 by 38% (Table 3).
This reduction was more intensive for transhuman animals (more than 64%) and less for
sedentary animals (almost 4%). According to the available inventory data, the number of
sedentary animal farms significantly reduced by 80% during a similar period (Hellenic
Statistical Authority, 1961 to 2000). This reduction follows the similar trend of change as
the number of people that are employed in the primary sector of the economy (Table 1).

3. Materials and Methods

3.1. Land Use/Land Cover Changes. Spatiotemporal Transitions

The following cartographic materials (Figure 2) were considered: (a) digital aerial
orthophotographs of 1945 with a spatial resolution of 1 m obtained from the National Cadas-
tre of Greece (georeferenced to the Hellenic Geodetic Reference System 1987-HGRS87);
(b) satellite images obtained from the Google Earth Pro program for the years 2017, 2019
and 2020 (georeferenced to HGRS87); (c) maps of forest vegetation and land cover for
1960 (scale 1:20,000), obtained from the Ministry of Agriculture in digital format (shapefile
in HGRS87); and, (d) digital maps of Corine Land Cover 2018 (shapefile reprojected in
HGRS87).

Aerial orthophotographs from 1945, as well as the recent Google Earth satellite pic-
tures, were digitally processed using the software ArcGIS v.10.8.1, to produce LULC maps
for 1945 and 2020. To identify the distinct LULC types, on-screen visual photointerpretation
and manual delineation of LULC polygons in shapefile format were performed within
the ArcGIS environment (Figure 2). The chosen analysis used a classification scheme
consisting of eight categories of LULC types and was based on the Greek Forest Service’s
LULC classification system (Table 4). According to the chosen classification system, numer-
ous elements on aerial orthophotos and Google Earth images were recognized by using
common photographic keys (tone, texture, pattern, shade, form, and size) and feature
association [15,21,29,33,34]. Special attention was placed on identifying tree and shrub
cover density patterns with the use of crown density scales [58]. The 1960 forest vegetation
and land cover maps in shapefile format were a valuable resource for the 1945 LULC
mapping, since they served as a reference map and guided the photointerpretation. The
minimum mapping unit of the reference map was one hectare, and the same unit was
chosen for the 1945 and 2020 mappings. For the 2020 LULC mapping, additional sup-
porting materials were considered from the 2018 Corine Land Cover digital map, and
from several elements of the Google Earth application software, such as 3D views and
street view images available from many narrow-paved roads between villages of the study
area. The visual interpretation was also supported by field sampling verifications from
well-experienced human image interpreters with good knowledge of the area. The above
cartographic materials were further processed using ArcGIS and Excel to create tables and
digital maps of the temporal evolution of LULC types. This approach produced two digital
maps of LULC types for 1945 and 2020, as well as a temporal evolution table (Figure 2).
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Figure 2. Procedural and methodological workflow chart.

Table 4. Classification scheme of land use/land cover types in the study area.

Land Use/Land Cover Types Description Codes

Agricultural areas Areas covered with annual or permanent crops AG

Grasslands Areas dominated by herbaceous plants, with
woody vegetation cover of less than 10% GR

Open shrublands Areas dominated by sparse woody shrubs with
less than 40% cover OS

Dense shrublands Areas dominated by dense woody shrubs higher
than 40% cover DS

Silvopastoral areas Open grazed forest with tree cover between 10
and 40% SI

Forest Forest areas with tree cover higher than 40% FO
Barren areas Mainly bare lands with little or no vegetation BA
Urban areas Areas with man-made features, mainly villages UR

Lakes Large area of water surrounded by land LA

According to Puyravad [59], the annual rate of change of LULC types was calculated
for the overall study period (1945–2020). The annual rate calculation Equation (1) was based
on the formula developed from compound interest law, and offers a better assessment
and biological meaning to the LULC change comparisons because it is insensitive to the
different time periods between observation dates [29]:

r =
(

1
t2 − t1

)
× ln

(
A2

A1

)
(1)

45



Land 2022, 11, 2141

where r is the annual rate of change, and A1 and A2 are the LULC class areas at time t1 and
t2, respectively.

The next phase in the process was to estimate the spatiotemporal transformations of
the study area for 2020 as a result of the diachronic transitions of all LULC types from
their original surfaces in 1945. This was accomplished by employing a common post-
classification comparison (PCC) change detection method across the study’s periods of
various dates [30]. The PCC method produced a LULC change transition matrix, which was
calculated using ArcGIS overlay functions for all time periods. In addition, a map showing
the spatiotemporal transition of LULC types was constructed. Additional components
of land changes, such as gains and losses, net changes, total changes, and swap [60],
were included in the LULC changes study due to transition matrices. The proportion of
the landscape that underwent gross gain or loss of LULC type j between times 1 and 2
was represented by the letters P+j and Pj+, respectively. The proportion of the landscape
that demonstrated the persistence of category j was indicated by the diagonal elements
(denoted as Pjj) of LULC types [60]. The difference between gain and loss is called net
change and was denoted as Dj. Swap is the simultaneous gain and loss of LULC type
j, and was calculated as two times the minimum gain and loss (Sj). The sum of the net
change and the swap, or the sum of gains and losses for each LULC type j, abbreviated as
Cj, is the total change [29,60]. In order to calculate net changes, swaps, and total changes,
Equations (2)–(4) were applied:

Dj = P+j − Pj+ (2)

Sj = 2 × MIN
(

Pj+ − Pjj, P+j − Pjj
)

(3)

Cj = Dj + Sj (4)

Recent scientific views have defined net change as quantity difference (or quantity
disagreement), and swap as allocation difference (or allocation disagreement) [37].

Identification of the most systematic transitions or dominant signals of change is
another critical component in evaluating LULC alterations [29,61]. The most important
form of transition can be determined using the transition matrix data by adding the total
area of change for each LULC type over the time periods. This technique cannot consider
the random process of LULC changes caused by the dominant LULC types and, therefore,
interpreting LULC transitions based on their sizes is the correct way to evaluate them [29].
The predicted gains (denoted as Gij) and expected losses (denoted as Lij) that will occur if
random changes among the LULC types occur, were computed using a process that was
first proposed by Pontius [61] (Equations (5) and (6)):

Gij =
(

P+j − Pjj
)( Pi+

100 − Pj+

)
(5)

Lij = (Pi+ − Pii)

( P+j

100 − P+i

)
(6)

The difference between the observed (Pij) and expected (Gij or Lij) transitions in a
random process of gain (Pij − Gij) or loss (Pij − Lij) is indicated as Dij, and the ratios
meaning (Pij − Gij)/Gij or (Pij − Lij)/Lij are denoted as Rij. Dij and Rij values show the
tendency of a LULC type j to gain from type i (focus on gains) and the tendency of LULC
type i to lose from type j (focus on losses) [60]. Systematic transitions or dominant signals
of change are indicated by values having a considerable positive or negative deviation
from zero [29]. Rij ratios are equivalent to the (observed value − expected value)/expected
value ratios that are used in chi-square tests [61].

The results from the annual rate of change, absolute values of net change, and the
main systematic transitions of all LULC types were used to identify the main LULC types
that had undergone significant spatiotemporal changes.
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3.2. Logistic Regression, Probability Maps, and Future Projection

The future projection trends of the main LULC types that were identified as experienc-
ing the most significant spatiotemporal changes, were determined by logistic regression
analyses, under the methodological approach of the CLUE modeling framework [21,62–65].
According to CLUE modeling, a set of landscape driving factors (LDF were used as indepen-
dent variables in the regression analysis. In this research, 20 LDF variables were identified
and collected based on the physiographic, accessibility, and socioeconomic conditions of
the study area (Table 5).

Table 5. Type, units, and data sources of the independent variables used in the logistic regression
analyses for future projection modeling of land use changes in the study area.

a/a Independent Variables * Type/Unit Data Source

1 Elevation Continuous/m DEM Aster 2

2 Slope Continuous/% DEM Aster 2

3 Alluvial deposits/very
deep soils Binary/0–1 Soil map of Greece

(Nakos 1991)

4 Hard limestone/ahallow to
bare soils >> >>

5 Limestone colluvium/seep to
moderately deep soils >> >>

6 Doline-deposition
cones/seep soils >> >>

7 Tertiary deposits/seep to
moderately deep soils >> >>

8 Tertiary
deposits/shallow soils >> >>

9 Schist/shallow soils >> >>

10 Schist/deep soils >> >>

11 Erosion potential Continuous/t × ha−1

× year−1
Soil erosion by water (RUSLE

2015)/ESDAC **

12 Distance from unpaved roads Continuous/m Digital files from state
Cadastre, Google Earth

13 Distance from paved roads >> >>

14 Distance from water courses >>
Hydrological model from
DEM, topographic maps,

Google Earth

15 Distance to settlements >> Land use map 2020

16 Population density
Continuous/number
× ha−1 of the total

area

Hellenic Statistical
Authority [53]

17 Sheep/cow density >>
Hellenic Statistical

Authority [53],
PCAGGCA *** [56],

18 Goat density >>
Hellenic Statistical

Authority [53],
PCAGGCA *** [56],

19 Annual mean temperature Continuous/◦C https://worldclim.org/
(accessed 20 April 2022)

20 Annual precipitation Continuous/mm >>
* Landscape driving factors (LDF), ** European Soil Data Cent, *** Payment and Control Agency for Guidance
and Guarantee Community Aid.
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In addition to the above independent variables, the identified main LULC types were
selected as dependent variables. According to the spatial module of the CLUE model, both
the LULC types and the independent variables were transformed into digital raster files
(ArcGrid format) with a pixel size of 100 m. The raster files of all dependent variables and 8
out of 20 independent variables (Table 5) were binarily rendered. As a result, each pixel of a
given main LULC type and the eight independent variables received a value of 1, and those
without received a value of 0. All the other independent variables received a continuous
value according to their definition. The raster data sets were then transformed into ArcGIS
ASCII grids, and with the use of the “File Convert v2” application of Dyna-CLUE modeling
version [64], were further transformed into tabular format necessary for entry in the SPSS
statistical package v. 27.0 (IBM Corp., Armonk, NY, U.S.A.).

In SPSS, the data were analyzed by the method of binary logistic regression of ab-
sence/presence, using forward conditional analysis as a step-by-step regression method.
The input and output probabilities of the independent variables in the equation were set to
not surpass the significance levels of input = 0.01 and output = 0.02, respectively, during
the process [64]. Variables that did not meet the above criteria were rejected as exhibiting a
low degree of correlation to the model. This procedure resulted with fewer independent
variables from the original selection, and resolved problems due to multicollinearity [66–68].
The regression coefficients (bi) of the remaining independent variables in the logistic equa-
tion were tabulated. Furthermore, the area under the ROC (relative operating characteristic)
curve (AUC) was estimated, as a measure of controlling the goodness of fit of the data to
the logistic regression model [64,69], and was used to validate the model (Figure 2) [65,70].

The AUC number indicates how well the model can differentiate across classes [71,72].
The greater the value, the better the model’s ability to distinguish between classes. AUC
values range from 0 to 1, with 0.5 indicating that the model is unable to distinguish between
the classes, and 1 indicating that the model is perfectly fitted [73–75]. AUC levels of 0.7
to 0.8 are considered acceptable, 0.8 to 0.9 are considered excellent, and values beyond
0.9 are considered exceptional [76,77]. All the available data concerning the dependent
and independent variables and the logistic regression results from SPSS were introduced
into the Dyna-CLUE version of the model, to produce a set of land use probability maps.
Probability maps represent the distribution of the results of the logistic regression equations
in the landscape [64].

The land use demands for 2040 of the identified main LULC types that have undergone
significant spatiotemporal changes were computed using linear interpolation of their
historical trend (Figure 2). This technique is often used to construct “Business as Usual”
model scenarios (BAU scenario) [27,62]. The BAU scenario for a 20-year prediction period
(2020–2040) was calculated by adding one-third of the total positive or negative trend
of change from the most recent available historic trend, which were the years 1960 and
2020 (60-year trend). The areas of identified main LULC types for 1960 were obtained
from the available forest vegetation and land cover map. As Mamanis and coworkers [27]
suggested, the one-third ratio was used because the 20-year prediction period is equal to
a third of the historical trend (20 years/60 years = 1:3). The projected land use demands
under the BAU scenario were spatially allocated into the probability maps based on the
higher probability of occurrences, which resulted in the creation of the predicted potential
map of the future distribution of the main LULC types. The 2040 prediction maps did not
consider LULC interactions.

Finally, the projected results were examined using the ArcGIS Patch Analyst pro-
gram [21,45,78–80]. The number of patches (NumP) and mean patch size (MPS, ha) as
overall measures of landscape fragmentation, edge density (ED, m/ha) as a measure of
the number of ecotones [44], and mean nearest neighbor (MNN, m) as a measure of patch
isolation, were calculated as indicators of spatial heterogeneity in landscape and class levels.
The mathematical formulas for the specified indices can be found in the user manuals for
Patch Analyst and Arc Fragstats [45,78,79].
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4. Results

4.1. Land Use/Land Cover Changes. Spatiotemporal Transitions

The results of photo interpretation and LULC changes over the 75-year periods in
terms of area, percentage, and annual rate of changes are shown in Table 6. The LULC
types that increased in the study area were forest (68%), dense shrublands (10%), and urban
areas (41%) (Table 6).

Table 6. Temporal evolution and the annual rate of changes (1945–2020) of land use/land cover types
in the study area (ha).

Land Use/Land
Cover Types

1945 2020
Area Change from
1945 to 2020 (ha)

Percentage Change
from 1945 to 2020 (%)

Annual Rate of
Change (% per Year)

Agricultural areas 9581.59 8092.84 −1488.75 −15.54 −0.23
Grasslands 8052.24 5893.51 −2158.73 −26.81 −0.42

Open Shrublands 3756.35 3571.97 −184.38 −4.91 −0.07
Dense Shrublands 4390.13 4849.15 459.02 10.46 0.13
Silvopastoral areas 4671.17 2850.80 −1820.37 −38.97 −0.66

Forest 8000.30 13,430.98 5430.68 67.88 0.69
Barren areas 788.44 432.18 −356.26 −45.19 −0.80
Urban areas 317.46 447.05 129.59 40.82 0.46

Lakes 203.87 193.18 −10.69 −5.24 −0.07

Total 39,761.55 39,761.66

All the other LULC types decreased, with the more important changes being the
reduction in silvopastoral areas (39%), grasslands (27%), and agricultural areas (16%)
(Table 6). Open shrublands were reduced in area to a limited extent (5%). Barren areas and
lakes were also reduced by 45% and 5%, respectively, but they covered only a limited part of
the study area. Forest and dense shrubland expansion, at the expense of silvopastoral areas,
grasslands, and agricultural areas, demonstrated that in the last 75 years, woody vegetation
in the study area had significantly increased. Analyzing in more detail the annual rate
of changes of LULC types (Table 6) during the study period 1945–2020, suggested that
the most significant changes were the declining trend of barren areas, silvopastoral areas,
and grasslands, and the increasing trend of forest and urban areas. Agricultural areas
presented a considerable declining trend, but were less severe compared with grasslands
and silvopastoral areas.

Gradual conversion of silvopastoral areas and grasslands into forest was observed in
the northern areas between the villages of Feneos, Tarsos, Karya, and Trikala (Figure 3).
Forest also seemed to have expanded in the southern area near the village of Drosopigi at
the expense of shrubland areas. Grasslands decreased over time in the study areas, except
for the central area east of the village Goura, where a higher elevation of landscape occurs
(>1200 m). Changes in agricultural areas did not have a strong spatiotemporal orientation,
suggesting that they covered a broader range of landscape territories.

The LULC transition matrix of the study area showed that between 1945 and 2020,
65.71% of the total landscape remained unchanged, while 34.29% was transformed into
a different LULC type (Table 7). According to the matrix, the most important LULC
transitions (>2%) were those of silvopastoral areas (SI) into forest (FO); of grasslands (GR)
into open shrublands (OS), silvopastoral areas (SI) and forest (FO); and finally, of dense
shrublands (DS) into forest (FO). Additional significant changes (1–2%) were presented
in agricultural area transition into grasslands (GR) and shrublands (open, OS; or dense,
DS); and open shrublands (OS) transition into dense shrublands (DS) and forest (FO). The
results of the matrix suggested that the most important changes in the Mt Zireia landscape
were woody plant encroachment into open areas such as grasslands, open shrublands, and
silvopastoral areas, and to a lesser extent, into agricultural areas (Table 7).
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Figure 3. Spatiotemporal distribution of land use/land cover types in the study area for the entire
period (1945 to 2020).

Figure 4 presents the map of LULC transitions in the study area. It is notable that
silvopastoral and forest expansions were mainly located in the northern parts of the study
area. On the other hand, shrubland expansions were mainly observed in the southern and
central parts of the landscape. Overall, LULC transitions were observed in all parts of the
Zireia landscape, but appeared to be more extensive in the northern parts.

The most significant changes in net values (absolute values) were observed in forest,
grasslands, and silvopastoral areas, and to a lesser extent, in agricultural areas (Table 8).
These data also indicated that the highest losses in the area were observed in grasslands and
silvopastoral areas, and the highest gains in forest areas. Net change values in forest were
much higher than in comparison with their swap values, suggesting that forest expansion
in new areas (quantity difference) was more significant than their simultaneous exchange
of forest areas to other uses (allocation difference). On the contrary, net change and swap
value changes appeared to be more balanced in grasslands and silvopastoral areas. Forest,
grasslands, and silvopastoral areas were the main LULC types that underwent significant
changes, and the recorded woody plant expansion in the landscape focused particularly on
forest development (Table 8).
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Table 7. Land use/land cover (LULC) change transition matrix between 1945 and 2020 (%) in the
study area.

2020 LULC

1945
LULC

AG GR OS DS SI FO BA UR LA
Total
1945

Loss

AG 19.16 1.12 1.05 1.10 0.35 0.97 0.02 0.26 0.08 24.11 4.95
GR 0.41 10.94 2.21 0.67 2.57 3.27 0.15 0.03 0.00 20.25 9.31
OS 0.06 0.68 4.65 1.81 0.41 1.78 0.01 0.04 0.00 9.44 4.79
DS 0.20 0.17 0.51 7.80 0.20 2.12 0.02 0.02 0.00 11.04 3.24
SI 0.09 0.90 0.38 0.35 2.85 7.16 0.00 0.01 0.00 11.74 8.89
FO 0.04 0.78 0.04 0.24 0.68 18.30 0.00 0.00 0.04 20.12 1.82
BA 0.24 0.24 0.14 0.20 0.10 0.17 0.89 0.01 0.00 1.99 1.10
UR 0.03 0.00 0.00 0.00 0.00 0.01 0.00 0.75 0.00 0.79 0.04
LA 0.13 0.00 0.00 0.02 0.00 0.00 0.00 0.00 0.37 0.52 0.15

Total
2020 20.36 14.83 8.98 12.19 7.16 33.78 1.09 1.12 0.49 100.00 34.29

Gain 1.20 3.89 4.33 4.39 4.31 15.48 0.20 0.37 0.12 34.29

Note: The values in the shaded box (diagonally) indicate the unchanged LULC types from 1945 to 2020. The
underlined values indicate the most important land use/land cover transitions (>1%). AG: agricultural areas, GR:
grasslands, OS: open shrublands, DS: dense shrublands, SI: silvopastoral areas, FO: forest, BA: barren areas, UR:
urban areas, LA: lakes.

Figure 4. Land use/land cover transitions map (1945 to 2020) of the study area.
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Table 8. Temporal evolution of gain, losses, net change, and swap of land use/land cover, in terms of
percent, in the landscape of Mt Zireia for the period 1945 to 2020.

Land Use/Land
Cover

Percentage of Change

Gain Loss
Total

Change
Swap

Absolute Value of
Net Change

Agricultural areas 1.20 4.95 6.15 2.40 3.75
Grasslands 3.89 9.31 13.20 7.78 5.42

Open shrublands 4.33 4.79 9.12 8.66 0.46
Dense shrublands 4.39 3.24 7.63 6.48 1.15
Silvopastoral areas 4.31 8.89 13.20 8.62 4.58

Forest 15.48 1.82 17.30 3.64 13.66
Barren areas 0.20 1.10 1.30 0.40 0.90
Urban areas 0.37 0.04 0.41 0.08 0.33

Lakes 0.12 0.15 0.27 0.24 0.03
Landscape 34.29 34.29 34.29 19.15 15.14

Table 9 presents the percentage of the area of the main systematic transitions of LULC
changes in terms of gains and losses. The largest positive or negative variation from zero
(systematic transitions) appeared to be in the transitions of silvopastoral to forest (SI to
FO), grasslands to silvopastoral (GR to SI), grasslands to open shrublands (GR to OS), and
open to dense shrublands (OS to DS). These results suggested that forest was systematically
gaining area from silvopastoral areas, while dense shrublands gained from open ones (focus
on gains). On the other hand, the same results showed that grasslands were systematically
losing areas to open shrublands and silvopastoral areas (focus on losses).

Table 9. Area percentage of the main systematic transitions of land use/land cover changes in terms
of gains and losses in the landscape of Mt Zireia for the period 1945 to 2020.

Transitions
Gains (%) Losses (%)

Dij Rij Dij R

AG to GR −0.06 −0.05 0.20 0.22
AG to OS −0.11 −0.09 0.49 0.88
AG to DS −0.09 −0.08 0.34 0.45
GR to OS 1.24 1.28 1.23 1.25
GR to SI 1.58 1.59 1.79 2.28
GR to FO −0.65 −0.17 −0.42 −0.11
OS to DS 1.34 2.87 1.17 1.81
OS to FO −0.05 −0.03 0.00 0.00
DS to FO −0.02 −0.01 0.87 0.70
SI to FO 4.88 2.14 3.92 1.21

AG: agricultural areas, GR: grasslands; OS: open shrublands; DS: dense shrublands; SI: silvopastoral areas;
FO: forest; BA: barren areas; UR: urban areas; LA: lakes; Dij: the difference between the observed and expected
transitions; Rij: the difference between the observed and expected transitions, relative to the expected transitions.

Overall, spatiotemporal changes in the landscape of Mt. Zireia indicated that the
most important element of landscape change was the woody plant expansion into open
areas. Furthermore, among the different LULC types, the ones that were mainly affected by
landscape changes were forest, grasslands, and silvopastoral areas in terms of area, percent,
and the annual rate of changes (Table 6), the absolute value of net change (Table 8) and the
main systematic transitions (Table 9).
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4.2. Logistic Regression, Probability Maps and Future Projection of Forest, Grasslands and
Silvopastoral Areas

The logistic regression analyses (forward conditional–stepwise) revealed the influence
of each of the 20 included independent variables on the LULC types of forest, grasslands,
and silvopastoral areas (dependent variables). The area under the ROC curve (AUC) is
presented in Figure 5.

A B C 

Figure 5. Graphs of the relative operating characteristic (ROC) curves and areas under the curve
(AUC) values (spss v27) of stepwise logistic regression analyses for: (A) forest (AUC = 0.894),
(B) grassland (AUC = 0.834), and (C) silvopastoral areas (AUC = 0.697), in the landscape of Mt. Zireia.

AUC values for the three main LULC types were above 0.8 for forest and grasslands,
which is accepted as an excellent discrimination, and 0.697 (equal to almost 0.7) for sil-
vopastoral areas, which is marginally acceptable discrimination [77], indicating that the
logistic regression models possessed significant goodness of fit.

The b-values of the independent variables are presented in Table 10. The cells without
data indicate the independent variables which did not show a statistically significant corre-
lation with the LULC types. The regression coefficients of Table 10 (b-values and constant)
were entered into the CLUE software environment to build a set of three probability maps
and finally complete the landscape change prediction procedure. The produced maps of
the probability (%) of future occurrence for forest, grasslands, and silvopastoral areas in
the study area are presented in Figure 6.

According to the probability maps (Figure 6), forest possessed a higher possibility of
occurrence mainly in the north-northwest parts of the study area, and to a lesser extent,
in a restricted area in the south. Grasslands, on the other hand, were found to be highly
possible to occupy areas of high altitude in the center part of the study region, covering
the grounds of the sub-alpine zones near Mt Zireia’s summit. Silvopastoral areas received
a lower chance of occurrence compared with forest and grasslands, and these chances of
occurrence were scattered around the landscape.

Land use demands of the three LULC types under the BAU scenario for a 20-year
prediction period (2020–2040), are presented in Table 11. According to Table 11, if the main
factors of change (landscape changing factors–independent variables) continue to be the
same between 2020 and 2040, then forest is expected to increase in some areas by 15%, and
grasslands and silvopastoral areas to decrease by 11% and 31%, respectively.
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Table 10. The logistic regression coefficients (b-values and constant).

Independent Variables Forest Grasslands Silvopastoral

Elevation (m) 0.0010 0.0024 −0.0007

Slopes (%) 0.0306 −0.0289 0.0122

Alluvial deposits/very deep soils −2.8321 −2.6520 −4.1481

Hard limestone/shallow to bare soils −0.6249 −0.4752

Limestone colluvium/deep to moderately
deep soils 0.6755

Doline-deposition cones/deep soils −19.1054 −1.3975 −18.2201

Tertiary deposits/deep to moderately deep soils −0.3152 0.6172

Tertiary deposits/shallow soils −0.6550 −0.6041

Schist/shallow soils 1.6790 −0.4972

Schist/deep soils 2.7273 −1.7426 −2.2187

Erosion (t/ha/year) −0.2248 0.0324 −0.0059

Distance from unpaved roads (m) 0.0001 −0.0003

Distance from paved roads (m) 0.0005

Distance from water courses (m) −0.0002 −0.0003

Distance to settlements (m) −0.0001 −0.0002 −0.0003

Population density (number of people per
area (ha) −7.4041 1.5776

Sheep/cow density (number of heads per
area (ha) −0.3747 0.1150 0.2747

Goat density (number of heads per area (ha)) −3.0946

Annual mean temperature (Co) −0.3339 −0.2338

Annual precipitation (mm) −0.0113 0.0097 0.0052

Constant 12.8058 −11.7581 −3.7588

Table 11. Area distribution (ha) and rate of change (%) of forest, grasslands, and silvopastoral areas
in the study area for the projection period 2020–2040.

Land Use
Area (ha) Rate of Change

%2020 2040

Forest 13,430.98 15,474.87 15.22
Grasslands 5893.51 5228.86 −11.28

Silvopastoral areas 2850.80 1979.33 −30.57
Total 22,175.29 22,683.06 2.29

Spatial allocation of the projected land use demands into the probability maps (Figure 6)
produced the predicted potential map (Figure 7) of the spatiotemporal distribution for
forest, grasslands and silvopastoral areas for the 2020–2040 period. Forest is expected to
continue expanding in the north-northwest parts, and probably will occupy scattered new
areas in the central parts of the landscape. The projected grasslands reduction, on the other
hand, will most probably force the remaining grassland patches to be limited to the central
parts of the landscape. Silvopastoral areas will probably continue to occupy small, scattered
areas around the landscape, but with a spatial distribution uneven in size.
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Figure 6. Probability maps of future occurrence of forest, grasslands and silvopastoral areas in the
study area.

 

Figure 7. Predicted potential map of the spatiotemporal distribution of forest (green color), grasslands
(yellow color), and silvopastoral areas (red color) for the 2020–2040 period in the study area.
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The above results can be confirmed by evaluating the landscape structure of the
projected maps with the help of landscape metrics (Table 12). According to the metrics
during the projected period (2020–2040), the expansion of forests will probably increase their
overall fragmentation in the sense that numerous new and smaller sized patches (indicated
by the NumP and MPS values) will be created in new areas across the landscape (Table 12).
That increase will improve the ED value, creating new forest edges and promoting forest
connectivity, as was indicated by the decrease in their MNN value.

Table 12. Landscape metric evaluation for forest (FO), grasslands (GR), and silvopastoral areas (SI) in
the landscape of Mt Zireia for the projection period 2020–2040.

NumP 1 MPS 2 ED 3 MNN 4

FO GR SI FO GR SI FO GR SI FO GR SI

2020 30 155 70 448.70 38.11 40.21 14.80 13.48 8.22 348.96 229.83 419.34
2040 200 155 123 77.39 33.90 15.95 20.49 7.74 5.78 192.68 289.07 268.55

1 Number of patches. 2 Mean patch size (ha). 3 Edge density (m/ha). 4 Mean nearest neighbor (m).

Grassland patches, on the other hand, will probably become smaller in size (decrease
in MPS value) and distant from each other, as was indicated by the increase in their MNN
value. The latter observation will probably promote patch isolation of the smaller grassland
units which occupy the marginal areas around their main distribution in the center of the
landscape (Figure 7). Furthermore, the decrease in ED value indicates that a significant
reduction in grasslands ecotone is to be expected. Silvopastoral patches are expected to
become more fragmented in the future, meaning greater in numbers but smaller in size
(indicated by the NumP and MPS differences). Moreover, even though silvopastoral areas
would increase their overall connectivity (MNN value), they are expected to greatly reduce
their edges (ED value), similar to grasslands.

5. Discussion

Spatiotemporal transition analysis of the landscape of Mt Zireia suggested that the
strongest trend of landscape evolution was woody plant expansion in open areas, and
grasslands reduction. Among the different LULC transitions, the most systematic ones
(Table 9) were forest expansion over silvopastoral areas, of open shrublands over dense
shrublands, and of grassland reduction in favor of open shrublands and silvopastoral areas.
These results, combined with the data of the total LULC changes in area, percent, and
the annual rate and net changes (Tables 6 and 8), suggested that the LULC types that are
mainly affected by landscape changes are forests, grasslands and silvopastoral areas. This
finding, especially as far as the forest expansion/grasslands reduction trend is concerned,
is in line with similar studies conducted in Greece [15,24,25,28] and other Mediterranean
countries [2,47,55,81], indicating that special focus should be provided to these specific
LULC interactions, especially in the rapidly-changing Mediterranean landscapes [9].

The above trend of LULC interactions can mainly be attributed to land abandonment
issues related to socioeconomic conditions. Relevant inventory data from the village com-
munities in the study area (Tables 1 and 2) suggested that socioeconomic changes over
the previous decades in the study area had the form of a decrease in local population,
population aging and a significant temporal reduction in the percentage of employees in
the primary economic sector. These specific types of socioeconomic changes are reported to
especially occur in Mediterranean landscapes, as directly related to the abandonment of
traditional management practices, such as extensive or semi-extensive pastoral activities (in-
cluding transhumance pastoralism), wood product collection (e.g., coal and fuel woods) and
agricultural practices in less favorable areas (e.g., crop fields in terraces) [8,47,54,55,81–83].

Additional inventory data related to the numbers and farms of grazing animals from
the study area supports the notion that land abandonment has affected pastoral activities
(Tables 3 and 4). More specifically, the number of sedentary and transhumant grazing
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animals and farms for the study area were significantly reduced over the previous decades,
following a similar trend of change as the number of people that were employed in the
primary sector of the economy. The reduction in grazing animals was also reported to
follow a similar, more general, trend of reduction for the whole country and for other
south European Mediterranean countries [8,11,81]. The collection of forest products seems
to be affected by the abandonment of traditional practices. Unpublished data from the
PACTORES Project (www.pactores.eu (accessed on 10 December 2021)) indicated that fuel
wood collection by local people within the study area has significantly reduced over the
years, and in some areas has practically stopped. On the other hand, some of the forest
expansion over open areas can be attributed to the afforestation policies of the local forest
service to increase the area covered by high forests. Finally, agricultural activities were also
affected by land abandonment, but this effect was less severe on the extent of agricultural
lands. According to the spatiotemporal analysis of this research, agricultural areas scored
as the fourth most important LULC change in terms of total area, percent of change, annual
rate, and net changes (Tables 6 and 8) and these changes did not appear to have a strong
geographic orientation (Figure 3). Agricultural activities were mainly oriented in plains in
favorable and more accessible parts of the Mt Zireia landscape, which, as similar studies
have pointed out, are probably less affected by land abandonment [11,84]. All these aspects
of socioeconomic effects in the current management of Mediterranean landscapes have
been noted throughout the Mediterranean region of Europe [2,13,15,22,24,25,54,55,81,85]
and have been identified as the main reasons for landscape change.

Future development for forest, grasslands, and silvopastoral areas based on the BAU
scenario of linear extension of land use demands for 2040 and probability maps, suggested
that forest will most probably continue to expand in the north-northwest parts, adding new
areas scattered mainly in the central parts of the landscape. At the same time, grassland
and silvopastoral areas will probably continue to reduce in area, occupying territories
mainly at the central part for grasslands, or small scattered territories around the landscape
for silvopastoral areas (Figure 7). Similar results of future development of forests and
grasslands were very recently reported from a rural landscape study of central Greece under
a similar trend of land abandonment [27,65]. Evaluation of the structural developments
(Table 12) of the Mt Zireia landscape from the projected maps revealed that forest expansion
into new areas, and in many cases, as small patches, will increase their overall dispersal and
will create new forest edges (higher ED value). Furthermore, the decrease in MNN value
will promote forest connectivity. Grasslands, on the other hand, apart from occupying one
large and three smaller core areas in the center and the north-northwest part of the study
area (Figure 7), will probably keep only smaller, fragmented, and isolated patches around
the landscape, as indicated by the reduction in their MPS and the increase in their MNN
values. Moreover, the decrease in ED value will cause a significant reduction in grassland
edges. Silvopastoral patches, similar to grasslands, will became more fragmented with
reduced edges. These findings correlate with the response of many other landscapes around
the world, showing that forest expansion usually leads to increased forest patch connectivity
promoting forest edges, while open habitat reduction usually creates the opposite trend of a
reduction in connectivity and edges [86,87]. These results could be alarming for sustaining
the environmental integrity of the Mt Zireia landscape, as many researchers have linked
grasslands fragmentation and the loss of connectivity and boundary lengths of open
habitats, to the decline of species richness and mountainous biodiversity [47,86,88]. The
results of landscape metrics evaluation on the future development of LULC types can serve
as evidence of the great dynamic of expansion that forest patches possess over grassland
and silvopastoral patches, independent of the environment and biodiversity implications.

The findings of this study are consistent with the common pattern of woody cover
expansion over open regions in many Mediterranean landscapes that suffer from land
abandonment [89]. Environmental integrity, biodiversity, and cultural heritage may be
positively or negatively impacted by land abandonment, which can additionally benefit
forest ecosystems by fostering it at minimal cost and on a larger scale [65]. Forest recovery
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promotes carbon sequestration, erosion reduction, and several other ecosystem services
such as climate and water regulation, wood production, and recreation [12]. On the other
hand, land abandonment, especially in the Mediterranean region, results in declining
biodiversity and loss of traditional cultural landscapes [7,81,84], and is often linked to an
increased risk of wildfires and decreased river flows [83,90,91]. The land abandonment
effect can also be associated with the loss of important cultural elements and services
related to traditional pastoral activities, such as cultural heterogenic pastoral landscapes,
gastronomical heritage, and folklore elements [92,93].

Developmental planning must take into consideration the spatiotemporal trends and
the future projection of LULC types recorded in this study. Forest expansion over grassland
and silvopastoral areas, apart from the environmental and cultural implications, would
have a strong negative effect on the future of sustainable development of livestock hus-
bandry in the study area. Grassland and silvopastoral areas are considered important
natural resources necessary for applying extensive pastoral practices, especially the tran-
shuman livestock system, and the reported threat status could have a damaging effect on
keeping the ecological integrity and the social benefits that people expect from pastoral
landscapes [62,94,95].
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Abstract: This work aims to measure and value the ecosystem services of grasslands and croplands
covered by pasture-based beef farms in Alentejo. It combines pixel-level data from the Portuguese
Mapping and Assessment of Ecosystem Services study and farm-level data from 40 farms. Five
ecosystem services were considered: soil protection, carbon sequestration, support to extensive
animal production, plant food production and fiber production. Two different approaches for service
quantification were used: an “average class” method and a “buffer” approach. Double counting issues
were avoided by applying a specific methodology developed for this study. The results obtained
were similar for both approaches in the case of grasslands, with an average value between 146 and
176 €/ha/year. For croplands, the average service value oscillated between 40 and 166 €/ha/year.
Soil protection was the most valuable service, with over 90% of the total value. Extrapolating these
results for the entire region, the five ecosystem services were estimated to be worth between 173 M€
(class method) and 223 M€ (buffer approach). These results suggest that pasture-based beef farms
in Alentejo help to provide a significant number of ecosystem services with positive environmental
effects that are currently not remunerated by the market.

Keywords: economic valuation; ecosystem services; grasslands; beef farms; pasture; agriculture;
environment; Alentejo; montado; dehesa

1. Introduction

Livestock provides a relevant fraction of the protein that humans consume [1]. Within
the livestock sector, beef farming has gained a reputation as one of the most polluting food
production systems [2]. However, beef production includes a vast range of production
systems and subsystems; a proper quantitative impact evaluation should take into account,
as far as possible, local conditions and mitigating factors [3–5]. The absence of such an
analysis, at local and global scales, gives rise to the risk of acting on general observations
and heuristics, which may cause unwanted results. Environmentally friendly local/regional
systems may get categorized as unsustainable simply due to the product they produce. It
is especially important to avoid these kinds of perverse effects in areas where livestock is
key for managing and enhancing ecosystems and their services [6].

Ecosystem services were first defined as all of the benefits that human populations
derive directly or indirectly from ecosystem functions [7]. This concept has developed
to include certain hidden contributions of ecosystems and gained momentum after the
Millennium Ecosystem Assessment [8]. However, along with services, ecosystems also
provide dis-services that affect well-being by reducing productivity and increasing produc-
tion costs [9]. The net ecosystem services, i.e., positive services minus negative services,
affect human well-being. The concept is especially relevant in agroecosystems that are
important providers of ES, in the sense that they provide a more diversified set of economic,
environmental, cultural and social goods and services [10]. The ecosystem services (ES)
approach has a great potential to link ecosystem conservation and the sustainable use of
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natural resources; however, due to limited funding and resources, the concept has not been
widely implemented [11].

One attempt to measure ES and link them with sustainability issues in Portugal was
the Portuguese Mapping and Assessment of ES (PT-MAES) [12]. This work was a pilot
study within the framework of the European Union Biodiversity Strategy of 2020, a pan
European initiative launched by the European Commission. The PT-MAES report and
results focus on the Alentejo region. Alentejo, located in the south of Portugal, is the
largest NUTS II region in the country, accounting for 54% of national utilized agricultural
area [13]. The Mediterranean climate, soils and topographic characteristics of the region
favor extensive beef cattle production, which is one of the main agricultural outputs from
the region [14]. A significant fraction of the territory used for cattle production is part of
an agroforestry system called dehesa in Spain and montado in Portugal. This is a mixed
agricultural/pasture ecosystem coexisting with medium/low densities of trees (cork/holm
oak and oak-based). It has been shown to be very well adapted to livestock production
and ensures diversification of farmer income through the supply of additional forestry
outputs like cork while enhancing the provision of ecosystem services [15]. Alentejo is
therefore a prime example of a region where animal management may be key to the health
and management of ecosystems.

In this work, we perform economic and environmental assessments of the effects of
pasture-based beef farms (PBBF) in Alentejo as providers of ES. The values from PT-MAES
were combined with real farm data to account for ES supply level. The ES considered were
soil protection (SP), in terms of avoided erosion, carbon sequestration (CS), support to
extensive animal production (SEAP), plant food production (PFP) and fiber production
(FP). Two different methods were used to determine the ES level of the PBBF of the dataset.
In the first approach, for each ES, we applied the average regional service class level. In
the second approach, we estimated the average value of each service level, considering a
buffer around the geographic coordinates of each farm. A regional extrapolation was then
performed, departing from a farm-level assessment to estimate the total ES value promoted
by PBBF in the Alentejo region.

2. Materials and Methods

2.1. Characterization of the Study Region
2.1.1. Study Region

The Alentejo region makes up a significant fraction of the south of Portugal. Of the
approximately 2 million ha of useful agricultural area in Alentejo, 67% comprises permanent
pastures. There are approximately 1.4 million bovines in mainland Portugal, 56% of which
are in Alentejo [16]. The typical pasture-based beef production system consists of raising
the calves on the farm. On average, pasture-based beef farms in Alentejo have 182 ha and
98 livestock units (LU) and occupy 0.39 full-time equivalent annual work units [17]. There
are additional specialized fattening farms in the region, based on grazing plus roughage or
concentrate feed regimes until animals reach the required weight for slaughter [18].

2.1.2. Farm Data

Farm data were collected in the context of the Animal Future project (SusAn/0001/2016).
The purpose of this project was to study ways to increase the sustainability of animal
production systems in Europe. This was mainly achieved by three actions: measuring the
different aspects of sustainability in animal farming to make an inventory of innovative
practices applied in different European regions, evaluating the impacts of innovations on
sustainability, and devising strategies to promote the adoption of innovation practices.
Data from farms were collected by the authors between May and October of 2019 through
personal interviews with farmers. In total, 40 farms were sampled in this work, whose
location can be observed in Figure 1, where the names of the farms were omitted due to
privacy issues. Contact with farmers was established mainly through former collaborations
with scientific projects (47%) and by producer association referencing (39%). About 35% of
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the surveyed farms have land within the Natura 2000 Network and 32% produce according
to organic production standards. Each farmer was interviewed individually using the
survey in Appendix A, which included 119 questions that address general farm information
(17 questions) and environmental (46), economic (28) and social (28) dimensions. Examples
of general questions were “area of the farm”, “legal form” and “years of experience”.
Specific environmental questions were related to, among other things, indicators of herd
characteristics, fertilizers used and energy consumption. The economic component mainly
regarded outputs and costs. The social dimension comprised questions such as hours
worked per week, work-life balance or succession in the farm. From the total number of
sampled farms, 31 answered the social component completely while the other 13 farmers
preferred not to do so. In the environmental and economic compartments, in the absence of
information or refusal from the farmer to answer, regional and/or representative defaults
were applied.

Figure 1. Location of surveyed farms within the Alentejo region (NUTS II), Portugal.

2.2. Portuguese Mapping and Assessment of Ecosystem Services (PT-MAES)

In this study, the ecosystem service (ES) levels were obtained from a PT-MAES as-
sessment considering five ES services. Soil protection (SP) level was estimated through
the contribution to reducing soil erosion by comparing it with the worst-case scenario (i.e.,
land cover that would generate the highest erosion rate at a given point). Soil erosion rates
were estimated using the Universal Soil Loss Equation.

Carbon sequestration (CS) was estimated as the balance of gains and losses of carbon
in biomass (above and belowground), considering the land use transitions that occurred
between 1990 and 2007 (assuming these transitions occurred at a constant rate). Emis-
sion/sequestration coefficients were obtained from the Portuguese National Inventory
Report (NIR) for greenhouse gases emissions for each land use transition [19].

Support to Extensive Animal Production (SEAP) was quantified and mapped by
determining average livestock densities (for calves, dairy cattle and sheep) in pasture areas
within the study region, using official national statistics at the Municipality level. As it
was impossible to geographically identify pastures where each type of animal production
occurs, average livestock density was estimated considering the two main species together
(cows and sheep) for the given pasture area in the national statistics for each municipality.

Plant food production (PFP) was assessed based on the establishment of a correspon-
dence between the main crops in the study area with the European Nature Information
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System (EUNIS) ecosystems. Once the correspondence with land use classes had been
made, the average productivity was estimated for each ecosystem.

Fiber production (FP) was estimated through the mean annual increments of forest
trees, as presented in the Portuguese National Inventory Report, deducting biomass losses
due to natural mortality.

2.3. Modelling Approaches

To evaluate the ES levels at a farm level and at the entire dataset level, two different
approaches were applied. The “class approach” assumed that the surveyed farms were
representative of the PBBF of Alentejo and used the average ES level of the entire region
for each relevant ecosystem present in the sampled farms, namely grasslands, dehesa and
croplands. The “buffer approach” used the coordinates of each farm and generated a buffer
with a radius of 1 km. From that buffered area, an average ES level for each relevant
ecosystem in the farm was computed. A more detailed explanation of each approach is
available in the following sections. The two approaches were then subjected to economic
valuation and a comparison of results.

2.3.1. Modelling Approach by Average Class (AC)

In PT-MAES, the studied ecosystems are named according to the EUNIS classification
system [20]. Only the relevant areas in the context of PBBF, pastures and croplands, were
analyzed under this approach. To match these areas from sampled farms with the EUNIS
classification, a classification key was produced according to the characteristics of each
ecosystem. According to this classification, all pasture areas (natural and sown) were
assumed to correspond to the EUNIS class “dry grasslands or dehesa” and all croplands (for
animal consumption or not) to “arable land and market gardens”.

For each ES, PT-MAES presents a scale of service level by ecosystem. This scale was
divided by classes, with a correspondent fraction of area that presents each level of service.
We computed an average for the overall service level by multiplying each fraction of area
with the mid-point value of its class or, in its absence, with the upper value of the service
level. The proportion between grassland and dehesa presented in PT-MAES was taken into
account when computing the average values for the pasture areas of the surveyed farms.

2.3.2. Modelling Approach by Buffer Generation (BG)

In this approach, we combined the location of each farm with PT-MAES data to
estimate the level of each ES. The geographic coordinates of each farm were obtained
directly during the visit to the farm and/or the interviews. Since real farm limits were
unavailable, we generated a buffer with a radius of 1 km around the geographic coordinates
of each farm headquarters. We computed the average ES level from this area for each
relevant ecosystem.

Data for ES were based on a map with a scale of 1:100,000. To calculate the average ES
level in the 1 km buffer area of each farm, a geographic information system software was
used (QGIS software version 3.16.2, Open Source Geospatial Foundation Project, Chicago,
IL, USA. http://qgis.osgeo.org (accessed on 10 November 2022)).

2.4. Ecosystem Services Economic Valuation

For each ES, different data sources were used to convert environmental benefit/damage
into an economic value. For SP, the economic value was 5.03 € per ton of avoided erosion [21].
This value includes sediment and nutrient losses and is a previous replacement cost estimation.
Since the reference value was for the year 2007 (SP2007), it was updated to 2020 price levels
(SP2020) using the yearly inflation rate between 2007 and 2019 (IFi):

SP2020

(
€
t

of avoided erosion
)
= SP2007 ×

2020

∏
i=2007

(1 + IFi). (1)
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For CS valuation, the most common practice is to apply the social cost of carbon. This
term represents the economic cost caused by an additional ton of carbon dioxide emissions
or its equivalent and varies according to the applied discount rate, productivity growth
and temperature sensitivity [22]. There is no academic consensus about this value [23], as it
depends on many variables, assumptions and on the context. Other options are to use the
carbon market price or the shadow price. In Table 1, we present the list of values applied
for the CS valuation [24].

Table 1. Carbon price estimates based on different explicit carbon pricing mechanisms [24].

Pricing Mechanism Source Details Value €/tCO2eq

Market Price Daily Carbon Prices
(ember-climate.org) European market quotation for June 2021 (average) 53

Social Cost [25] Estimates for Social Cost of Carbon 37.5

Shadow Price [26] Upper bound value for the 2030 range estimate 92

For the estimation of the value of support to extensive animal production (SEAP),
we used data from regional agricultural accountancy statistics for beef farms [13]. We
started by calculating the average rent value per hectare without subsidies or taxes, i.e.,
14 €/ha/year. The average added value per ha includes three sources of added value:
animal production, vegetal production and other production. Here, we considered the
proportion related to animal production (67%) and applied it to the calculated rent value
per ha, resulting in 8.72 €/ha of rent due to animal production. As the SEAP service level
is measured in terms of LU, we applied the regional value of 0.5 LU/ha to stipulate an
overall price of 17.43 €/LU for this ES.

To estimate the value of plant food production, a similar method to that explained
for SEAP was applied. Departing from the same rent value, 14 €/ha, here, we used the
proportion of added value generated by vegetal production (14%). We estimated a value of
1.89 €/ha of rent due to vegetal production. Considering the average productivity of the
relevant crop basket for the region, i.e., 4.91 t/ha [16], we estimated a price of 0.39 € per ton
for the valuation of this ES.

For fiber production, we considered the volume of the main three species used for
fiber production in the region: eucalyptus, maritime pine and stone pine [27]. We used the
same source to infer the regional proportion of each species in terms of biomass volume.
We then multiplied the proportion of each species by the respective price (based on the
terrain prices). This calculation delivered a regional price of 21.5 € per m3 for the valuation
of fiber production.

To perform the valuation, the estimated ES levels (ESlevel) were multiplied by the
values explained in the previous section (ESprice) to calculate the ESvalue of each ES, as
follows:

ESvalue

(
€

ha.year

)
= ESlevel

(
i

ha.year

)
× ESprice

(
€
i

)
, (2)

where i represents the relevant unit for each ES.
As mentioned in Section 2.3.1, the farm-level dataset included information about

agricultural occupations and respective areas, which were organized into four main groups:
natural pastures, sown pastures, crops and other cultures. The first two were assumed to
correspond to ecosystem grasslands or dehesa (Ag&d), while the other two corresponded
to croplands (Acrop). Summing the ESvalue applicable for each ES and ecosystem, we
obtained the Total Ecosystem Value (TEV) per ecosystem. It is also possible to estimate the
total value of the ES provided by each farm (ESfarm), as follows:

ESfarm

(
€

year

)
= TEVg&d

(
€

ha.year

)
× Ag&d(ha) + TEVcrop

(
€

ha.year

)
× Acrop(ha). (3)
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For the modelling approach of a buffer around farm location, the ES values provided
yearly by each farm (ESfarm) were obtained directly by the multiplication of the valuation
per unit (i) by the average service level of the buffered area:

ESfarm

(
€

year

)
= ESprice

(
€
i

)
× ESlevel

(
i

ha.year

)
× Afarm(ha). (4)

With the previously estimated values, we performed an extrapolation of the ES value
provided by PBBF for the entire Alentejo region. Multiplying the area of permanent
pastures in the region reported by national statistics by the calculated TEV (€/ha/year), we
estimated the total value of ES provided by PBBF in Alentejo (assuming that all permanent
pastures are used by PBBF). Moreover, assuming the same proportion of grasslands and
dehesa vs. cropland area verified in the farm-level dataset applied to the region, it was
possible to estimate the value of ES provided by the area of croplands associated with PBBF
by summing the two components:

Value of ES on Alentejo
(

€
year

)
= TEVg&d

(
€

ha.year

)
× Ag&d_Alentejo (ha) + TEVcrop

(
€

ha.year

)
× Acrop_PBBF_Alentejo (ha). (5)

3. Results

This section is divided by subheadings. It is intended to provide a concise and precise
description of the experimental results, their interpretation, as well as the experimental
conclusions that can be drawn.

3.1. Characterization of the Sampled Farms

Figure 2 presents the sampled area in terms of land use class, ecosystem type and total
area per farm. The sampled farms are heterogenous in terms of total area but also in terms of
the land use classes. The median area of grasslands is about 602 ha per farm, ranging between
about 23 ha (Farm 16) and 3450 ha (Farm 03). Among the sampled farms, 35% (14 farms)
only have natural pastures and only 2 have sown pastures, while all others have both pasture
systems (60%—24 farms). Farm 03 has the highest area of grasslands, i.e., 3450 ha of sown
pasture (this farm does not have natural pasture). Farm 16 only uses natural pastures, and it
has also the lowest grassland area among the sampled farms. There are 9 farms with grassland
only. The median area of croplands is 33 ha, ranging between zero and 300 ha (Farm 22).
Among the farms with cropland, about 87% (16 farms) have crops for animal consumption,
and only 40% (13 farms) have other plant production.

The land use class with the largest variation (interquartile distance) in area between
farms is the natural pastures class, i.e., about 270 ha, while the class with the lowest
variation is the other plant production class, with only 10 ha. The interquartile distances of
sown pastures and crops for animal consumption are 165 ha and 61 ha, respectively. Due
to the higher variation of both pasture systems in comparison with the variation of crops
production classes, the aggregated land use classes of grassland have a significantly higher
variation than of croplands, with interquartile distances of 288 ha and 67 ha, respectively.

Regarding the complete set of sampled farms, grasslands and dehesa classes account
for 91% of the total area of the dataset (about 22,370 ha). Cropland accounts for 9%
(about 2232 ha). Within grasslands, natural pastures have a higher proportion than sown
pastures, i.e., 66% (14,757 ha) and 34% (7613 ha), respectively. In croplands, crops for animal
consumption represent 86% of the area (1998 ha), while other productions represent only
14% (234 ha).
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Figure 2. Areas in the sample for each land use class, ecosystem type (grassland and cropland), and
total area per farm. “Grassland” area is the sum of “Natural pastures” and “Sown pastures”, and
“Croplands” is the sum of “Crops for animal consumption” and “Other vegetal production”.

3.2. Ecosystem Services Valuation

Table 2 presents the average ES level per unit of area for the two modelling approaches.
In general, the buffer approach leads to higher values than the class approach. The only
exception is for SEAP in the grassland and dehesa land use (−0.1 LU/ha). The most
significant difference occurs in the SP service. For the grassland and dehesa land use, the
difference is 20 t/ha/year (buffer approach: 34.5 t/ha/year; class approach: 24.5 t/ha/year).
For croplands, the difference is 6.4 t/ha/year (buffer approach: 34.5 t/ha/year; class approach:
28.1 t/ha/year). The difference between modelling approach for other ES is not significant.
For example, excluding SP, the highest difference is only 1.8 t/ha in PFP in croplands. The
two modelling approaches also lead to equal ES levels for 3 out 5 ES for grasslands (CS,
PFP and FP) and 1 out of 5 for croplands, i.e., SEAP.

Table 2. Average ecosystem service level per unit of area for the two modelling approaches.

Ecosystem Service Units

Approach by Average Class Approach by Buffer Generation

Grasslands and
Dehesa Croplands

Grasslands and
Dehesa Croplands

Soil protection (SP) t/ha/year 28.1 14.5 34.5 34.5

Carbon sequestration (CS) t C/ha/year −0.2 −0.6 −0.2 −0.3

Support to extensive animal
production (SEAP) LU/ha 0.4 0.0 0.3 0

Plant food production (PFP) t/ha 0.0 1.5 0 3.3

Fiber production (FP) m3/ha 0.4 0.0 0.4 0.2

Analysing the results for PBBF per ha (Table 3), the average of the total ES valuation
(sum of all ES) is different for the two modelling approaches. The valuation is nearly 34%
higher with the buffer generation approach (131 €/ha vs. 175 €/ha). Observing each ES
separately, SP dominates the total ES valuation for both approaches: 131.7 €/ha using the
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class approach and 173.4 €/ha using buffers. CS is the only ES with a negative average
valuation in both modelling approaches (class: −13.7 €/ha; buffer: −12.2 €/ha, applying
the market price). The average value for SEAP in the two modelling approaches is similar
between approaches, but the minimum estimated value differs significatively (class: 2.9 €/ha;
buffer: 0 €/ha). PFP present very low values under both approaches, i.e., between 0 €/ha an
0.03 €/ha in the approach by class and between 0 €/ha and 1.3 €/ha in the second method.
For FP, both approaches present similar average values (class: 7.4 €/ha; buffer: 8.3.6 €/ha), but
the buffer approach presents a much higher variation, ranging between 0 €/ha and 53.1 €/ha,
while under the class approach, it ranges between 4.1 €/ha and 8.5 €/ha).

Table 3. Ecosystem services valuation in €/ha for the PBBF of the dataset.

Ecosystem
Service

Average Value Per ha Minimum Value Per ha Maximum Value Per ha

AC BG AC BG AC BG

SP 131.7 € 173.4 € 104.1 € 18.4 € 141.3 € 1153.9 €

CS −13.7 € −12.2 € −22.6 € −54.2 € −10.5 € 86.8 €

SEAP 5.5 € 5.1 € 2.9 € 0.0 € 6.4 € 8.8 €

PFP 0.1 € 0.2 € 0.0 € 0.0 € 0.3 € 1.3 €

FP 7.4 € 8.3 € 4.1 € 0.0 € 8.5 € 53.1 €

Total 131.0 € 174.9 € 88.8 € 16.4 € 145.8 € 1166.1 €
SP—Soil protection; CS—Carbon sequestration; SEAP—Support to extensive animal production; VFP—Vegetal
food production; FP—Fiber production; AC—Approach by average class; BG—Buffer generation.

Figure 3 presents the average, minimum and maximum valuations per ES at the farm
level, as well as the totals resulting from the sum of the individual valuations of all ES
within each farm. SP is clearly the ES that contributes the most to ES valuation at the farm
level, i.e., 99% for the class approach and 102% for the buffer approach (over 100% due
to the negative contribution of CS). CS presents a negative value for all farms under the
approach by class, but under the buffer approach, 10 out of the 40 farms present a positive
value up to a maximum of 8794 € for a single farm. SEAP has a similar proportion in both
approaches (4% for both). On average, PFP only contributes 0.04% and 0.08% to the total
valuation at the farm level for the class and buffer approaches, respectively. The minimum
value for PFP is 0 €/farm for both approaches, but the maximum per farm is more than
double that of the buffer approach (170 €/ha vs. 460 €/ha). The inverse situation occurs
with FP, representing 6% of the total ES value in the class approach compared to only 4% in
the buffer approach. Despite these differences, the average total value of the ES provided
per farm is similar for both methods, i.e., 81,719 € for the class approach and 86,663 € with
the buffer approach. The total value of ES provided by a single PBBF ranges between 3352 €
and 502,923 € in the first method and between 928 € and 851,271€ in the second.

Table 4 presents the sum of ES valuations for the entire dataset considered in this work.
SP is by far the most valuable ES provided by PBBF, accounting for almost the total value
in both methods. SEAP represents 4% of the ES value in both approaches, being the second
highest value with the buffer approach but the third using the class approach, in which FP
presents the second highest value. PFP represents a very low value, nearly 0%, for both
approaches. CS has a negative effect in both methods, from 6% to 18% of the total dataset
ES value, depending on the considered carbon valuation. The total ES value attributable to
the PBBF of the dataset adds up to 3,205,429 € applying the class approach and 3,466,401 €
using buffers (applying carbon market prices).
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Figure 3. Graphical comparison of the economic values of each ecosystem service per farm. SP—Soil
protection; CS—Carbon sequestration; SEAP—Support to extensive animal production; VFP—Vegetal
food production; FP—Fiber production; AC—Approach by average class; BG—Buffer generation.

Table 4. Total ecosystem services value for all farms in the dataset on aggregate, using the class (AC)
and buffer (BG) approaches.

Ecosystem Service
Approach by Average Class (AC) Approach by Buffer Generation (BG)

AC % of Total by AC BG % of Total by BG

Soil protection (SP) 3,245,142 € 99% 3,548,257 € 102%

Carbon sequestration (CS), market price −304,189 € (9%) −342,031 € (10%)

Support to extensive animal production (SEAP) 139,423 € 4% 132,882 € 4%

Plant food production (PFP) 1301 € 0% 2707 € 0%

Fiber production (FP) 123,752 € 6% 124,585 € 4%

Total 3,205,429 € 100% 3,466,401 € 100%

Carbon sequestration (CS), social cost −215,228 € (6%) −242,003 € (7%)

Carbon sequestration (CS), shadow price −528,025 € (17%) −593,714 € (18%)

3.3. Extrapolation for the Regional Level

The TEV for each ecosystem is presented in Table 5. The TEV calculated for grasslands
and dehesa lies between 146 €/ha/year and 176 €/ha. Here, the estimated values are mainly
due to SP, followed by FP and then by SEAP. The TEV calculated for croplands lies between
41 € and 166 €. This wide range is due to the fact that the estimated ES values differ a
lot across approaches, with the most significant difference occurring in SP. While in the
class approach SP is valued at 73 €/ha, this value is 138% higher according to the buffer
approach, which yielded 173 €/ha. For croplands in the region, PFP is almost irrelevant
with both approaches (between 0.6 €/ha and 1.3 €/ha). At the TEV level, CS continues to
present a negative contribution in both modelling approaches and ecosystems.

From national statistics, the area of permanent pastures in the region is 1,151,238 ha [13].
If this area corresponds to grasslands and dehesa, and the proportion of land uses verified on
the dataset applies, there is an estimated area of 112,305 ha of croplands associated with PBBF
in Alentejo. Taking these areas into consideration and applying them together Equation (5)
with the TEV presented in Table 5, we arrive at the regional results presented in Figure 4, for
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the class approach. The results for BG are obtained directly from each ES value multiplied
by the total area considered for Alentejo.

Table 5. Total Ecosystem Value (in euros—€/ha/year) per considered ecosystem.

Ecosystem Service

Approach by Average Class Approach by Buffer Generation

Grasslands and
Dehesa Croplands

Grasslands and
Dehesa Croplands

Soil protection (SP) 141.3 € 72.8 € 173.4 € 173.4 €

Carbon sequestration (CS), market price −10.5 € −32.8 € −12.0 € −13.3 €

Support to extensive animal production (SEAP) 6.4 € - 6.0 € -

Plant food production (PFP) - 0.6 € - 1.3 €

Fiber production (FP) 8.6 € 0.3 € 8.7 € 4.8 €

Total ecosystem value 145.8 € 40.8 € 176.0 € 166.2 €

Carbon sequestration (CS), social cost −7.5 € −23.2 € −8.5 € −9.4 €

Carbon sequestration (CS), shadow price −18.3 € −57.0 € −20.8 € −23.0 €

Figure 4. Estimated value of ecosystem services (€) from pasture-based beef farming in Alentejo after
regional extrapolation for both modelling approaches.

Figure 4 depicts the total ES estimated value promoted by PBBF in Alentejo according
to both modelling approaches. SP is the most valuable service, accounting for around
171 M€ and 220 M€ with class and buffer approaches, respectively. FP is the second most
valuable ES, accounting for nearly 9.9 M€ in the first approach and 10.5 M€ in the second.
It is followed by SEAP, that accounts for nearly 7.4 M€ in the class approach but just 6.9 M€
with the buffer approach. PFP presents a residual value of 68 K€ in the class approach and
154 K€ in the buffer approach. CS present similar negative values with the two methods,
with values between −16 M€ and −15.5 M€. In total regional terms, ES provided by PBBF
are estimated to be worth around 173 M€ using the class approach and around 223 M€
using the buffer approach (nearly 29% more than class approach).
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4. Discussion

In both modelling approaches, SP is the ES that contributes most to the total value. This
means that the main positive effect of animal production in Alentejo is soil protection, which
is especially relevant, given that this is a region prone to desertification. SP is followed
by FP, SEAP and then PFP. Concerning SP, land cover characteristics are, in general, very
satisfactory in the territories where PBBF develop their activity, so the high service levels
obtained are aligned with expectations based on knowledge and experience from the field.
In the approach by class, SP presented significant differences between grasslands/dehesa
ecosystems and cropland ecosystems (28.1 vs. 14.5 t/ha). The buffer approach considers
the exact location of each farm and thus the local characteristics of the terrain in terms of
soil and slope; accordingly, it returned a higher level of service of 34.5 t/ha of avoided
erosion for both grasslands and croplands. These results suggest that in the studied sample
of PBBF, both grasslands/dehesa and croplands provide overall higher levels of SP than
grasslands/dehesa and croplands in general in the region.

The SEAP service is influenced by the average livestock density of cattle and sheep
calculated at the municipality level, so it does not represent the real service level at the
farm’s location. A limitation of this indicator is that it does not take into account the
proportion of livestock that is effectively in extensive production (or not). Nevertheless, in
regional aggregated terms, it can be considered as a useful indicator, since the predominant
animal production system in Alentejo is extensive. The values estimated for grasslands
and dehesas are very similar across approaches, i.e., 0.4 and 0.3 LU per ha, both of which are
below the regional average of 0.5 LU per ha, which suggests a lower livestock density in
PBBF than in the remaining cattle and sheep production systems. The valuation applied
for this ES is one of the main innovations of this work, since it intends to avoid double
counting, a common mistake made in many similar studies. By using the rent values per
ha (without subsidies) and associating it with the corresponding fraction of the animal
production output, it is possible to ensure that the valuation refers exclusively to the added
value provided by the land and its intrinsic characteristics. Other types of valuations
usually fail to separate the added value coming from the different production factors
as capital and labor, which can lead to double counting. There would also be another
possible approach for this ES valuation, based on willingness to pay (WTP). In this case,
there is a reference to an additional WTP for beef from pasture of 1.5 € per kg of meat [5].
However, that estimation was obtained in a study that measured WTP for a bundle of
management practices. It is impossible to distinguish the fraction of that WTP that is
specifically attributable to the support of extensive animal production, among the other
benefits that beef from pasture may provide, which could lead to an overcounting problem.

Concerning PFP, the service levels obtained come from an aggregated regional basket
of different crops. In terms of grasslands and dehesa, the PFP service level is zero, regardless
of the approach. For croplands, the approach by class presented an overall service level
of 1.5 t/ha, and the result through buffer generation was 3.3 t/ha. This evidences that
croplands near the studied PBFF present a higher productivity than croplands in general
in Alentejo. As many of the considered crops from the reference basket are not usually
representative of PBBF, one improvement for future work would be to refine the crop
basket to make it more representative of the most common crops associated with PBBF. The
valuation technique applied here was the same as in SEAP, but in this case, it considered
the fraction of vegetal production output.

For FP, the estimated service levels are 0.4 m3/ha in grasslands and dehesa for both
approaches. Using the class approach for croplands, there is a null service level (0 m3/ha),
while for the buffer approach, the same ecosystem has a service level of 0.2 m3/ha. This
suggests that croplands associated with PBBF territories present a higher service level. The
FP service level was estimated directly through the mean annual increments of forests trees,
deducting biomass losses due to natural mortality. The monetary value only considers
the price of the main trees explored for timber, in regional terms. This means that all
the other forest products were not considered in this indicator. In the specific case of the
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Alentejo region, this could be a relevant limitation, since nearly 71% of the forest area is
devoted to alternative productions, such as cork (very economically important), feed for
autochthonous pigs, etc. Increasing the scope of the FP service in the future could be an
interesting way for better accountancy of the ES provided by the forest fraction on PBBF.
For now, this was impossible due to a lack of regionalized data on the other products from
forests.

CS is the only ES that presents a negative contribution for the ES total value under both
approaches. The CS for croplands was estimated at −0.6 tC/ha using the class approach and
at −0.3 tC/with the buffer approach. For grasslands and dehesa, the obtained service levels
are 0.2 tC/ha for both approaches, suggesting that the areas covered by these ecosystems
emit small quantities of carbon instead of sequestering it, as could be expected. These results
can be explained by the fact that the method for carbon sequestration calculations only
considers land use change transitions as reported in the Portuguese NIR [19]. This means
that any other aspects concerning the territory characteristics and/or specific practices
that are applied in PBBF to promote carbon sequestration were not considered for this
service level calculation. This limitation derives mainly from the high heterogeneity that
characterizes PBBF and the territories where they develop their activity.

In this study, the average value of ES of grasslands was estimated as 146 €/ha/year
(class approach) or 176 €/ha/year (buffer approach). Those are relatively low estimates
compared with those in the relevant literature. For example, [28] estimated a global ES value
for grasslands of 232 €/ha/year. Some other studies performed at a macro level estimated
values of ES from grasslands of between 249 €/ha/year and 2352 €/ha/year [29], but in
this case accounting for additional ES such as water treatment, supply and purification,
gene pool protection (conservation) and cultural services. Finally, a study also based on
PT-MAES data presented a value of 331 €/ha/year for permanent pastures in a natural park
in Portugal [30]. Here, the different values are mostly explained by the different valuation
methods applied.

Extrapolating those results to the entire region, the total estimated value for the
considered ES provided by PBBF in Alentejo would amount to 173 or 223 M€, depending
on the approach. The relevant difference between approaches suggests that the areas
around the studied PBBF generate a higher overall ES value, when comparing with the
same ecosystem areas in general. Here, it is necessary to point out that the total area
considered for regional extrapolation does take in account pastures under tree cover, a
relevant fraction of the area of the region [31]. Consideration of these areas would probably
increase the overall ES levels and value.

According to collected data (and farmers’ perspectives), there is no relevant PFP or FP
in most of the surveyed farms, so the importance of these ES, as well as the relevance of SP,
which is usually not perceived, can be considered another of the most surprising outcomes
of this work. The absence of biodiversity indicators in this study is also notable, since many
of the concerned areas present high nature value [32]. These limitations probably make
the presented values fall short of the real value of ES provided by PBBF in Alentejo. The
inclusion of biodiversity also likely made the valuation of ES in this study increase to levels
like those cited in the literature. Nevertheless, comparing the scale of values obtained with
the regional extrapolation—comprising nearly half of the national output of the beef cattle
sector [13]—indicates the relevance of the value generated by the studied ES.

A potential future improvement in the continuation of this work would be to match
the buffers generated to the correspondent real area of each farm. In fact, any in situ
measurements that could be taken would improve the reliability of the results. From the
farmers’ perspective, it could be interesting to assess the main ES provided in each farm,
especially if with that, the farmer could valorize his/her production and/or apply better
management practices. When designing policies and incentives, the farm-size related
particularities should also be considered to ensure equity and parity across the sector. It
could also be argued that despite the generated ES, PBBF have significant environmental
impacts that are also not valued by the market. This is the case particularly for beef
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systems with methane and nitrous oxide emissions from enteric fermentation and manure
management. A valuation of those emissions was beyond the scope of this work but should
be carried out in the future and compared with the ES value obtained here.

5. Conclusions

The goal of this paper was to estimate the value of five ecosystem services provided
by the areas covered by pasture-based beef farms in Alentejo. We obtained values for
those ecosystem services of 146–176 €/ha/year for grasslands and dehesa (montado) and
41–166 €/ha/year for croplands. These results were robust to methodological choices,
as we used two options for joining pixel-level ecosystem services valuations with farm-
level production data. The two approaches provided similar results for the five studied
services. Soil protection was the most valuable service, with the other studied services
making significantly lower contributions. This led us to conclude that the main benefit of
animal production for ecosystems in the region is the avoidance of soil loss. This result
is particularly significant in Alentejo, which a highly desertified part of the country and
of Europe. Regional extrapolation allowed us to estimate the overall value of ecosystem
services associated with pasture-based beef farms in Alentejo: between 173 M€ and 223 M€,
i.e., almost half of the national production value of the beef cattle sector. Thus, our results
suggest that the maintenance of grasslands and croplands in pasture-based beef farms
in Alentejo generates positive externalities for society. We therefore conclude that this
production system is very important for the region in terms of the value generated by the
studied ecosystem services. This work explored innovative ways of valuating ecosystem
services, presenting two methodologies based on data available at the European level
and a valuation method that avoids double counting. The present research is intended
to address to the growing need for ecosystem services accounting in environmental and
sustainability studies. Future studies should compare the positive contributions of the
systems quantified here with the overall environmental impacts of the animal production
systems in Alentejo. Starting with the conclusions of this study about the importance of
pasture-based beef farms systems in the region, further work should also explore and
engineer innovative and creative ways of maximizing the positive effects of those systems,
as well as matching remuneration and incentives to these farmlands with the true value
they generate for society.
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Appendix A

Table A1. Animal future Questionnaire items.

General Information Social Compartment Economic Compartment Animal Compartment

Own Land (ha) Number Of Working Hours Rate Total Output Vegetal LivestockType (Cattle/Sheep)

Rented Land (ha) Weekends Off Total Output Animal Categor (per age)

Legal Form
(Individual/Company/Others) Sundays Off Total SpecificCosts Average Number (No.)

Farmer Since (years of experience) Days Off Holidays Total Farming Overheads Number Of Produced Animals
(No.)

Family Labour (hours/year) Workload Rate Taxes Age At End of Fattening (months)

Hired Labour (hours/year) Hazardous Chemicals Total Subsides On Crops Number Of Sold Animals (No.)

Conventional or Organic Physical Work Total Subsides On Livestock Live Weight At Sale (kg)

Area In Natura 2000 (ha) Overwork Stress Rate Total Support For RD Diet Compartment

Area In Conservation Land No
Natura 2000 (ha) Activities Besides Farm Decoupled Payments Diet name (for all

herd/fattenning/others)

Area Under Agro Environmental
Measures (ha) Work Life Balance Rate Depreciation Diet component name (ex: hay)

Area Of Specific Natural Habitat
(ha) Working Atmosphere Rate Wages Paid Diet Component Quantity

(kgs/animal/year)

Overall Satisfaction being a
Farmer (1–5) Farm Economically Viable In 10 ys Rent Paid Protein Content Fraction (0–1)

Other Information Expectation Farm Succession Interests Paid Considered number of animals
(No.)

Outdoor Access Animals (y/n) If Over 45 Succession Expected Total Assets Diet Component Quantity
(kgs/farm/year)

Days Outdoor (0–365) Training Days—Family Workers Total Assets ExclLand Crop Areas Compartment

Additional Enrichment (y/n) Training Days—Staff Liabilities Surface (ha)

Animal Social Contact (y/n) Highest Educational Degree Own Labour Force Persons Yield (t/ha)

Non Curative Treatments (y/n.) Highest Agricultural Educational
Degree Own labour Force Hours Fraction Of Legumes (0–1)

Resources Utilization Public Access To Farm Hired Labour Force Persons Dry Matter Content (0–1)

Diesel Consumption (l) Visits To Farm Hired Labour Force Hours Crop Protection Agents

Electricity Consumption (kw) Professional Organisations
Besides Farm Imputed Labour Costs Type (natural/artificial)

Renewable Energy Fraction (0–1) What Professional Organisations
Besides Farm Rented Farm Land Name

Irrigated Area (ha) Non Professional Organisations
Besides Farm Rental For Farm Land Quantity (m3 or t/ha)

Water Use Animals (m3) Direct Selling or Tasting Own Farm Land Fertilizers

Water Use Irrigation (m3) Labelling Schemes Interest Rate Type (natural/artificial)

Water Use Total (m3) What Labelling Schemes Profit Total Quantity (m3 or t/ha)

Other Activities On Farm Total Subsidies N content (0–1)

What Other Activities On Farm Total hours
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Abstract: Artemisia sieberi Besser occurs in many parts of the Irano-Turanian floristic region, which is
mostly distributed throughout the Iranian plateau, especially in Iran. This study aimed to identify
the effect of the soil and topography variables on A. sieberi distribution. We used canopy cover data
to fit models using generalized additive models (GAMs). The results showed that the response
pattern of A. sieberi along with the gradient of soil clay, soil saturation moisture, soil nitrogen and
soil acidity followed the monotonic increase model, and its canopy cover percentage augmented by
increasing the values of the factors. Conversely, the A. sieberi canopy cover percentage decreased
by increasing the amount of soil sand, bare soil and the geographic aspect. The A. sieberi responses
are in contrast to the niche theory. The relationship between the species response pattern and the
gradients of soil silt, soil salinity, lime percentage, organic carbon, altitude, land slope, litter, gravel
percentage, stone percentage, mean annual precipitation and mean annual temperature followed
a unimodal model (consistent with the niche theory). The optimal growth limits for these factors
were 32%, 1.75 ds/m, 35%, 1.3%, 2000 m, 43%, 10%, 32%, 250 mm and 15 ◦C, respectively. Our
results highlight that environmental factors, such as soil texture, amount of soil lime, mean annual
precipitation, altitude and land slope, had quantifiable effects on the performance of A. sieberi. Our
findings could provide useful information for improvement, restoration and conservation programs.
However, a further comprehension of the species–environment relationship is needed to predict the
effects of climate change on the species habitat.

Keywords: canopy cover; ecological factors; Generalized Additive Models; Irano-Turanian region;
optimum growth; species distribution

1. Introduction

Artemisia sieberi Besser (Asteraceae) is a shrubby aromatic plant distributed in Palestine,
Syria, Iraq, Afghanistan, Pakistan, Central Asia and Iran (in the Irano-Turanian floristic
region) [1,2]. It occurs in many arid and semiarid rangelands of Iran (from the Alborz moun-
tains southern slopes in the north to the Saharo-Sindian floristic region boundary in the
south and from the Zagros Mountains eastern slopes in the west to the east of Iran). More
than 25,423,578 hectares of vegetation types of the Iranian natural resources (about 33.9%)
are characterized by dominant and subdominant A. sieberi, which are mostly distributed
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throughout central Iran [3]. This species grows on different soil types, and it has a vast
ecological distribution. A. sieberi is used for animal feeding, and because of its healing prop-
erties, it is also used as a medicinal plant [4,5]. Unfortunately, in recent years, disturbances
such as grazing, land use changes and climate changes have caused the destruction of
A. sieberi habitats. These threats have led to the destruction of vegetation, loss of biological
diversity and erosion of the soil in many rangelands of Iran [6]. Destroyed rangelands are
an important topic; in particular, conservation and rehabilitation of rangelands, monitoring
of the vegetation dynamics and determination of suitable plant species that can be planted
in areas with different environmental conditions should be considered [5]. Abiotic factors
are one of the main components of the environmental niche [7,8]. Indeed, they have a major
impact on the distribution and performance of plant species. In ecology, the geographical
distribution of a species is predicted by quantifying the relationship between the species
and the environment. On this basis, multiple hypotheses can be formulated in relation to
the control of environmental factors that influence the distribution of the species [9]. It
is crucial to understand the effects of the soil and topographic factors on the distribution
of plants and vegetation restoration to improve the fragile ecosystems of damaged land.
Knowledge of Artemisia response to environmental variables, and modeling of Artemisia
occurrence, is essential for using this species in the reclamation of arid and semi-arid lands.
For the species niche modeling, many analytical approaches can be used to answer the
fundamental question ‘what are the environmental factors controlling the species perfor-
mance and distribution?’ [10]. Canonical correspondence analysis and generalized additive
models are among the methods most used for analyzing the reaction of plant species to
environmental factors [11,12]. Generalized additive models [13,14], a powerful extension
of GLM, are increasingly used for species modelling [15–19] because they do not assume
any general shape of the response prior to the estimation [20].

In Iran, several studies have been conducted to investigate the factors that affect the
distribution of A. sieberi as a result of environmental changes [5,21–27]. Jalili and colleagues
studied the A. sieberi habitats in Iran and recognized important ecological differences in the
functional characteristics of diploids and polyploids [28]. Mousaei Sanjerehei and Rundel
determined that the most significant factors influencing the distribution of A. sieberi in
Iran were annual precipitation and annual mean temperature [29]. In this research, we
studied the role of the soil and topography in the function of A. sieberi in the Irano-Turanian
floristic region of Iran. The following question was discussed: What are the responses and
ecological requirements of Artemisia sieberi regarding some of the environmental variables?

2. Materials and Methods

Sixteen research sites, which presented different vegetation types of A. sieberi [30],
were selected in Iran to have the maximum range of changes in altitude and geographical
dispersion (29◦23′–37◦16′ N, 49◦35′–60◦05′ E). The range of altitude was between 560 m a.s.l.
in Zirkooh Ghayenat (south Khorasan province) and 3000 m a.s.l in the mountainous areas
of Hossein Abad Rain (Kerman province) (Figure 1).

A systematic-random method was used for the vegetation sampling [31,32]. Thirty
sampling plots were positioned along five transects (6 sampling plots, with a random
starting point, were placed in each transect) so that samples were collected in the range of
the A. sieberi distribution in each site (480 sampling plots in total) during 2018 to 2020. The
geographical coordinates of the plot locations were recorded using the Global Positioning
System (GPS). The number of individuals per plot was evaluated and a visual estimation
of each plot was performed to determine the vascular plant density and the canopy cover
percentage. Additionally, stone and gravel percentage, bare soil percentage and litter
percentage were estimated in each plot. The minimal area of the sampling plots was
calculated for each sampling site and was selected to be 25 m2 [33]. Vascular plants were
identified using the Flora Iranica [34] and Flora of Iran [35].
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Figure 1. Location of studied sites in Iran.

The topographic characteristics (altitude, land slope percentage and geographical
direction) of each plot were investigated after the analysis of the sampling network in
each site. Four directions (90, 180, 270, 360 degrees) were used to register the geographical
direction [36]. Then, the equation of Beers et al. [37] was used to enter the geographical
direction in the analysis (Equation (1)).

A′ = Cos (45 − A) + 1 (1)

where A′ is the converted value of direction and A is the azimuth of aspect in degrees,
measured clockwise from north. The influence of the soil on the A. sieberi distribution
was evaluated by sampling the soil to the root depth of the plant (0–30 cm above the soil
surface) in each plot (a total of 480 samples). The soil sample of each plot was taken in
three replications (composite sample).

The soil’s physical and chemical properties were measured. In particular, soil texture
was determined through the hydrometer method [38], EC was measured using the saturated
extract and EC meter [39], pH was established using the saturated mud and pH meter [40],
TNV% was calculated through the titration method, organic carbon% was measured
through the Walkley-Black method [41], total nitrogen was evaluated using the Kjeldahl
method, and soil saturation moisture (%) was determined by drying saturated mud inside
the oven [42].

Prior to data analysis, spatial autocorrelation of plots was performed using the Mantel
test [43] with PC-ORD 4.17 software [44].

The A. sieberi response to environmental factors changes was predicted using the
generalized additive model (GAM) (Equation (2)) [36]. The canopy cover percentage
measurement is easier when the species habitat is less degraded, because of the high corre-
lation between the species yield and canopy cover percentage (Pearson correlation = 0.856,
p = 0.000). This factor was measured as a response variable [45,46].

g(μ) = α + ∑p
j=1 f j(Xj) (2)

where fj is unknown and smooth functions and Xj are predictive variables. Using the
advanced scatter plot smoothing techniques, fj is evaluated from the data. Log link function
analysis and Poisson error distribution were used to fit the generalized additive model
(they entered the model individually to avoid an over-fitting of the predictive variables).
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Smooth terms were fitted using a cubic spline smoother with three degrees of freedom,
and a quasi-Poisson distribution was used for the Poisson [8,47].

The variables that influenced the A. sieberi performance were classified through the
Akaike information criterion (AIC) [48]. The models showing higher parsimony (lower
Akaike information criterion, AIC), when compared to the null model, were selected [8];
the smaller the AIC value was, the more appropriate the proposed model for fitting the
species response curve (Equations (3) and (4)) [49].

RMSE =

√
∑n

i=1 (Qi − Q̂i)2

n
(3)

AIC= nln (RMSE) + 2p (4)

where RMSE is the root-mean-square deviation, n is the number of observations, Qi is the
observed value, Q̂i is the fitted value, and p is the number of model variables. Canoco
software version 4.5 [50] was used for data analysis.

3. Results

Table 1 illustrates the average values of the environmental factors studied in the habitats.

Table 1. The average values of the environmental factors in the A. sieberi habitats.

Environmental Factors Mean ± Stdev. Environmental Factors Mean ± Stdev.

Sand (%) 63.6 ± 12.8 Altitude (m) 1796.6 ± 525.7
Silt (%) 20.6 ± 8.7 Aspect (converted value of azimuth) 1.07 ± 0.75

Clay (%) 17.1 ± 7.5 Slope (%) 11.4 ± 9.3
EC (dsm-1) 2.4 ± 3.9 Bare soil (%) 45.4 ± 29.1

pH 7.9 ± 0.3 Stone and gravel (%) 33.1 ± 22.2
Lime (%) 21.8 ± 8.6 Litter (%) 5.4 ± 5.3

Organic carbon (%) 0.32 ± 0.3 Mean annual temperature (◦C) 15.3 ± 1.7
Total nitrogen (%) 0.03 ± 0.3 Mean annual precipitation (mm) 185.7 ± 90.3

Soil saturation moisture (%) 27.7 ± 6.7 Latitude (Decimal degrees) 33.69 ± 2.68

Table 2 illustrates that most of the studied variables had a significant effect on the
A. sieberi canopy cover percentage (p < 0.01), as shown by the generalized additive model
with Poisson error distribution.

Table 2. The results of the generalized additive model for each of the significant explanatory variables.

Environmental
Variable

F * P * AIC Value Environmental Variable F * P * AIC Value

Sand (%) 18.9 0.0000 ** 1840.3 Altitude (m) 44.5 0.0000 ** 1590.4
Silt (%) 87.2 0.0000 ** 1262.3 Aspect 4.2 0.0001 ** 2066.8

Clay (%) 23.2 0.0000 ** 1812.4 Slope (%) 24.1 0.0000 ** 1754.8
pH 6.6 0.0003 ** 2035.7 Bare soil (%) 19.2 0.0000 ** 1847.2

EC (dsm-1) 11.5 0.0000 ** 1966.2 Stone and gravel (%) 3.1 0.027 * 2095
Lime percentage (%) 80.8 0.0000 ** 1296.4 Litter (%) 6.4 0.0003 ** 2034.8
Organic carbon (%) 24.3 0.0000 ** 1771.4 Mean annual temperature (◦C) 52.4 0.0000 ** 2178.9
Total nitrogen (%) 24.5 0.0000 ** 1761.6 Mean annual precipitation (mm) 125.7 0.0000 ** 1572.6

Soil saturation
moisture (%) 16.1 0.0000 ** 1769.3 Latitude (Decimal degrees) 17 0.0000 ** 2594.3

* Significance at the 5% level. ** Significance at the 1% level.

The A. sieberi response curve to each of the effective environmental variables was
evaluated (Figure 2).
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Figure 2. A. sieberi responses along the gradient of environmental factors.

The A. sieberi unimodal response to the soil silt (Figure 2b), altitude (Figure 2k), land
slope (Figure 2l), gravel and stone (Figure 2p), litter (Figure 2n), temperature (Figure 2q) and
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precipitation gradient (Figure 2r) spanned its central borders, respectively from 1.6 to 43%
(optimum 32%), 560 to 2788 m (optimum 2000 m), 0 to 60% (optimum 43% (on south-facing
slopes)), 0 to 97% (optimum 32%), 0 to 54% (optimum 10%), 12 to 19.7 ◦C (optimum 15 ◦C)
and 78.9 to 600 mm (optimum 250 mm). Increases in the amount of these factors, more than
the optimum, resulted in a reduction of the A. sieberi canopy cover percentage. The species’
performance augmented up to a soil salinity concentration of 1.75 ds/m; the canopy cover
percentage decreased with further increases in the soil salinity (ranging between 0.09 and
12.8 ds/m). Therefore, A. sieberi is distributed in soils with relatively low salinity. The
A. sieberi’s response to the soil lime percentage almost followed the asymmetric unimodal
(Figure 2f): the plant performance initially increased slowly and then rapidly, approaching
an exponential growth rate. However, when the amount of soil lime increases (more than
35%, ranging between 1.7 and 48.7%), the A. sieberi canopy cover percentage decreases until
it stabilizes at a certain value.

Considering the soil organic carbon gradient, A. sieberi had its maximum response
at 1%; increases in the organic carbon percentage from 0.02 to about 1.3% increased the
species canopy cover percentage; an organic carbon percentage higher than 1.3% reduced
the species distribution and presence (Figure 2g). According to the data of the A. sieberi
response to the pH, this species is distributed in alkaline soils (following the positive
exponential model).

The soil sand percentage showed a negative exponential trend (Figure 2a): as the
soil sand value becomes larger, the A. sieberi performance approaches zero. Conversely,
the soil clay and soil saturation moisture gradients showed a positive exponential trend
(Figure 2c,i): increases in these factors increased the canopy cover percentage of the studied
species. Considering the bare soil gradient, the A. sieberi response curve showed an almost
negative linear trend: A. sieberi had the lowest performance with the highest percentage of
bare soil (Figure 2o).

The A. sieberi’s response to the total nitrogen percentage almost followed the monotonic
increase model, and the canopy cover percentage increased with increasing values of
nitrogen (Figure 2h). In mountainous areas, changes in the geographical direction of the
slope also affected the performance of the studied species; in particular, the A. sieberi
performance reached its highest value in the southern facing slopes (Figure 2m), while the
lowest performance was observed in the north facing slopes.

The species’ response to changes in latitude was bimodal. Increases in latitude up
to 35◦ resulted in an increased canopy cover percentage, while increases in latitude from
35◦ to 36◦ led to a reduction of the canopy cover percentage; however, further increases in
latitude increased the canopy cover percentage. The lower limit of the species’ presence
was observed at latitude 28◦ (Figure 2s).

4. Discussion

The determination of the species response to the studied environmental factors repre-
sents one of the basic issues in ecology. Response curves allow the estimation of the species
optimum and the niche width (tolerance) [51–55]. Statistical models play an important
role in this regard [56]. Aremisia sieberi belongs to the steppe vegetation of Iran and is
important in terms of forage production and medicinal properties [5,26,57]. However, the
A. sieberi habitats are at risk due to the extra exploitation of these ecosystems during the
past decades [58]. In this research, the GAM model was used to investigate the A. sieberi
response to gradients of different environmental factors. The studied species’ ecological
needs were also studied.

In the studied habitats, A. sieberi has a significant yield; this aspect is highlighted
by the average dry forage production, which is 66 kg per hectare. The forage produc-
tion differences are due to both the habitat potential and the presence of disturbances,
such as livestock grazing; this issue has also been mentioned by Khosravi Mashizi and
Sharafatmandrad [58].
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As reported also by other researchers [5,26,59], the data of this study showed that the
A. sieberi performance was significantly affected by 18 variables, which were soil texture,
lime, mean annual precipitation, altitude and land slope.

The A. sieberi response to the main environmental factors that affected the plant
performance was exponential or unimodal; specifically, the response curves were mostly
asymmetric unimodal.

According to the soil texture response curves, A. sieberi was found in areas that were
characterized by a high soil clay percentage. This soil textural class causes the production
of meso- and micro-porosities; indeed, these areas present the greatest amount of plant
available water. As reported by other researchers [60,61], A. sieberi needs relatively more
water compared to other species. Additionally, the lowest performance of A. sieberi was
recorded in areas with the highest soil sand percentage and lower water retention [5].

Soil texture has an important function in the plants distribution and is involved in
the soil humidity percentage, water holding capacity, plant elements availability and plant
ventilation and rooting [62–64].

A. sieberi showed a positive exponential response to the soil acidity gradient, therefore,
it has a strongly alkaline ecological niche. Piri Sahragard and Zare Chahouki [26] reported
that A. sieberi is more compatible with soils characterized by a higher pH; moreover, soil
acidity has a major role in the control of nutrients solubility [65]. Consequently, the pH
level could be considered an important factor for the species distribution in the area. Our
results illustrated that A. sieberi followed an asymmetric unimodal model in response to soil
salinity. A low salinity rate (1.75 ds/m) caused significant abundance of A. sieberi. However,
a higher soil salinity level caused an increased soil osmotic pressure (osmotic stress). This
led to a reduction in the plant yield due to a lower water absorption and reduced plant
metabolism; ultimately, the enzyme activity was also inhibited (ion toxicity). The studied
areas presented a strongly different soil lime content (1.7–48.7%), and the A. sieberi response
to the level of lime followed an asymmetric hump-shaped curve (the optimum was at 35%).
The data of our study showed that A. sieberi tolerates various lime concentrations, although
has a higher distribution in soils with a relatively high lime percentage, as reported also by
Hosseini et al. [5]. Hence, A. sieberi is positively correlated with the soil lime percentage.
It can be deduced that A. sieberi is a calcicole plant, because lime increases soil alkalinity.
The soil lime content also decreases the growth of plants that need acidic soil [66]. The
soil lime content is also a source of calcium and magnesium and is related to higher water
retention [67,68]. All these aspects influence the distribution of A. sieberi in the studied
region. A. sieberi’s response to the soil nitrogen percentage almost followed the monotonic
increase model: the plant performance initially increased rapidly and then augmented
slowly. A high soil nitrogen percentage (the optimum was at 0.25%) is related to increased
soil microorganism activity, litter decomposition and plant growth and is considered a
fertility indicator [69]. An increased soil organic carbon content (the optimum was at 1.3%)
causes the formation of larger aggregates in the soil; the higher soil structure stability and
increased number of large pores derived lead to an increased permeability coefficient and
reduced erosion, as illustrated also by Lado et al. [70].

Considering A. sieberi’s response to the land slope percentage, the data of our study
showed that plant performance was higher in the southern moderate slopes in mountainous
areas. Davis et al. [71] illustrated that slopes have an average correlation with the species
composition. The reason for the decreased presence of A. sieberi on slopes higher than 43%
seems to be the reduction of the establishment of A. sieberi seeds due to an increased per-
centage of bare soil, stone and water erosion; this was also confirmed by other researchers
such as Alavi et al. [72]. The soil’s porosity in the moderate slopes is increased and more
seeds are exposed to moisture; consequently, a higher number of seeds germinate, leading
to increased reproduction [73]. According to the data about the performance of A. sieberi in
response to altitude changes, this species was more present in the middle altitudes (about
2000 m). Hosseini et al. [5] illustrated that the optimum altitude was about 2300 m in the
Poshtkouh area (local study), in central Iran. The increased presence of A. sieberi in the
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middle altitudes could be due to a combination of factors, such as adequate ecological
factors and high levels of species turnover. As discussed also by other authors [74–76], this
highlights the importance of the balance between communities and environment.

The highest canopy cover percentage was observed in the south aspects (south, south-
west and southeast). Moreover, the studied plant distribution was also affected by the
geographical direction due to the amount of plant available water and light [77]. As
stated by other authors [19,78–81], the A. sieberi distribution was influenced by terrain and
climate-related factors. It seems that A. sieberi is a xerophyte and helliophyta species.

In addition, the A. sieberi maximum response was recorded with the highest soil
saturation moisture percentage (≥60%). The texture and structure of the soil influence this
factor and affect the pore size distribution of the soil, soil water storage and plant available
water [82,83]. The response of the studied species to the soil saturation moisture percentage
is similar to the response given to the soil clay percentage.

A decreased permeability (decreased soil moisture storage) and soil erosion could
affect the low A. sieberi presence and canopy cover percentage recorded in the areas with
the highest percentage of bare soil. As reported by other researchers such as Carcey Hincz
and Diaz Aguilar [29], Wassie et al. [84] and Laris and Wardell [85], this influences the
germination deficiency and vegetation establishment.

The A. sieberi growth decreased with a high stone and gravel percentage (>30%), which
characterizes the Zagros Mountains [67].

With an increasing amount of litter up to 10%, the abundance of A. sieberi increased; a
further increase in the litter amount led to a decreased presence of this species. It seems
that the early life stages of this species may benefit from a low amount of litter; indeed,
with medium and high litter amounts the frequency of A. sieberi decreased, which may be
due to reduced germination. This was in accordance with the results of a previous study
on other plant species [86].

The relationship between A. sieberi performance and mean annual temperature fol-
lowed a hump shape: the minimum temperature was 12 ◦C and the maximum was 19.7 ◦C
(the optimum was at 15 ◦C), which may suggest an adaptation to a narrow climate niche
(stenothermal); this was also reported by other researchers [87,88].

The probability of A. sieberi presence in the Iranian steppe vegetation, with an annual
precipitation of about 200–400 mm, was the highest. Canopy cover and presence of the
species dramatically decreased with an annual precipitation higher than 400 mm or lower
than 200 mm. Sanjerehei and Rundel (2017) [87] and Amiri et al. [27] also reported a
decrease in the A. sieberi yield with increasing precipitation.

The increase of latitude up to 34◦ resulted in an increased canopy cover percentage,
while increases in latitude from 34◦ to 36◦ led to a canopy cover reduction; however,
further increases in latitude increased the A. sieberi canopy cover percentage. The lower
limit of the species’ presence was observed at 28◦ of latitude. In general, A. sieberi tended
to grow at the middle latitude (34–35◦) and middle-lower altitude (1700–2200 m) with
middle lower precipitation (200–400 mm) and middle temperatures (14–16◦). However,
this species also had a higher yield at a higher latitude (38◦) with lower altitudes in the
Iranian steppe vegetation. These data are in accordance with the results of a previous
study [3]. The species’ response to changes in latitude was bimodal. This model shows
that a superior competitor has displaced this species from its optimum in a certain range of
environmental conditions [89]. However, the nature of the environmental process, which
may link indirect variables to direct variables, can affect the ecological relationship [12].
Therefore, it seems that the use of indirect predictors with a known relationship to direct
variables that affect plant performance is often not suitable for statistical modeling. In
conclusion, environmental variations (precipitation, temperature, sunlight, etc.) resulting
from latitudinal gradients had a great influence on the spatial distribution of A. sieberi in
the studied areas.

84



Land 2022, 11, 2315

5. Conclusions

The potential plant species response to environmental variables changes can be pre-
dicted based on the species distribution, using niche models. Consequently, adequate
species habitats can be defined; this has been increasingly used by natural resource man-
agers to plan biodiversity conservation management, to assess climate impact and for land
use activities. Because of the importance of the presence of A. sieberi in the steppe vegetation
of Iran [26,88], up to date knowledge of its distribution is necessary for the ecosystem man-
agement planning. According to our results, the distribution of A. sieberi is described by the
GAM and a reduction in abundance and performance of the studied species is explained by
the constraints of environmental factors. The response of A. sieberi to environmental factors
can be used to explain abiotic limitations, range management, conservation, improvement
and restoration of degraded habitats of A. sieberi. We concluded that environmental factors,
specifically soil texture, soil lime amount, mean annual precipitation, altitude and land
slope, had quantifiable effects on the performance of A. sieberi. An improved understanding
of these species-environment relationships in the context of natural climatic fluctuations
will also aid in better prediction of the effects of climate change on the species habitats. In
addition, due to the contribution of biotic interactions, interaction between variables and
extreme environmental stress to the species response shape, it seems that further studies are
needed to develop modeling approaches that consider these factors in relation to the species
distribution. These findings will be used to complete the quantification of its ecology and
the risk of anthropogenic activities.
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Abstract: Two species of Psilochalcis (Hymenoptera: Chalcididae) wasps occurring in the Great
Basin region of the western United States were sampled from three locations in central Utah
(USA) over a two-year period using Malaise traps. Each location is composed of four contigu-
ous habitat types: pinyon/juniper (Pinus edulis or P. monophylla and Juniperus osteosperma), sagebrush
(Artemisia tridentata), cheatgrass (Bromus tectorum), and crested wheatgrass (Agropyron cristatum). Sea-
sonal trap abundance for each Psilochalcis species was determined. Psilochalcis minuta Petersen
and Psilochalcis quadratis Petersen occur in highest abundance from mid-May to early August.
Psilochalcis minuta demonstrates a significant association with pinyon/juniper habitat, specifically
at the Utah; Juab County, Yuba Valley sample site, whereas P. quadratis demonstrates a significant
association with cheatgrass (Bromus tectorum) habitat at the same location.

Keywords: chalcidid wasps; malaise trap; pinyon/juniper; cheatgrass; crested wheatgrass; habitat;
ecological relationships

1. Introduction

The Great Basin is a region of north and south running mountain ranges and valleys
that extend from the Wasatch Mountains of Utah in the east to the Sierra Nevada Mountains
in the west. The northern border is the Snake River Plain extending south to the Mohave
Desert. It is characterized as a cold desert with hot summers and freezing winters. Precipita-
tion ranges from 125 to 500 mm annually [1]. Two common habitat types found throughout
the region are pinyon/juniper (Pinus edulis Engelm. or P. monophylla Torr. and Frem. and
Juniperus osteosperma (Torr.) Little) woodland and sagebrush (Artemisia tridentata Nutt.)
steppe. In Utah, these two habitat types compose nearly 40 percent of the semi-arid
region of the state [2]. These habitats have become fragmented due to frequent wild-
fires, leaving a habitat mosaic across the region. Subsequent to wildfire, they are often
replaced by introduced exotic species, especially annual cheatgrass (Bromus tectorum L.),
which is native to Eurasia. A regional model suggests that nearly one-third of the Great
Basin (210,000 km2) has cheatgrass cover of at least 15 percent [3]. Crested wheatgrass
(Agropyron cristatum (L.) Gaertn.), a perennial grass native to Russian and Siberia, has been
used extensively in post wildfire reseeding efforts across the region. While it is an intro-
duced species, it is considered preferable to cheatgrass. Like cheatgrass, it forms monotypic
stands. The impact of these habitat alterations from native to nonnative plant communities
on insect communities is poorly understood. We are interested in the effect this might have
on chalcidid wasps that occur in these habitats.

The family Chalcididae is a taxon of parasitic Hymenoptera. These wasps most often
parasitize pupae of Lepidoptera [4]. As such, they are typically studied for their potential
use as biological control agents in areas where their lepidopteran hosts are important
economic insect pests. The taxonomy of Chalcididae has changed very little in the past
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150 years, including divisions into subfamilies and genera [4], a 1992 revision of the new
world Chalcididae being the most recent [5]. Recently, three species of chalcidid wasps
were described from rangelands of the eastern Great Basin in Utah, two of which were
collected in enough abundance to warrant further investigation [6]. These two species
belong to the subfamily Haltichellinae.

Haltichellinae is comprised of six chalcidid genera that occur in the United States and
Canada [4]. The most recent report of Haltichellinae species that occur in the Great Basin
describes the distribution of species in the genus Psilochalcis Kieffer [6].

The Universal Chalcidoidea Database [7] currently reports 60 species of Psilochalcis
worldwide. Old world and new world distributions are not known to overlap [8]. The
literature suggests that less than 20 species of Psilochalcis are known from the Western
Hemisphere [5]. In general, Psilochalcis species occur in arid to semi-arid areas across the
southwest and western United States [6]. Biological observations are rare, with only a few
host species reported [8,9].

Of the eight species of Psilochalcis wasps known to occur in the United States [6],
four are associated with agricultural environments. Psilochalcis brevialata Grissell and
Johnson is known from a culled fig warehouse in California [8]. Psilochalcis deceptor (Grissell
and Schauff), P. threa (Grissell and Schauff), and P. usta (Grissell and Schauff) occur in
cultivated peanut crop in Oklahoma and Texas [9]. Psilochalcis hesphenheidei (Boŭcek) occurs
in natural areas across the western United States [10], but no habitat associations are
reported. Psilochalcis adenticulata Petersen is known from multiple natural habitat types
based on label information from collection sites in New Mexico, Nevada, and Utah [6].

The paucity of ecological data associated with Psilochalcis is understandable, due to
their being rarely collected and the lack of interest in adding ecological data to collection
labels. This paper is unique, relative to all other publications on North American Psilochalcis,
because it links two Psilochalcis species with specific ecological data. Using Malaise trap
capture data, we evaluate the changes in seasonal abundance over time for P. minuta
Petersen and P. quadratis Petersen and their associations within distinct habitat types of the
eastern Great Basin.

2. Materials and Methods

In 2019, we were able to examine and extract chalcid wasps from historic Malaise trap
samples collected in 2006 and 2007. These samples were originally used to study different
insect groups with the remaining material stored in 500 ml Nalgene bottles with 70%
ethanol at 2 ◦C. The sample sites were originally selected in areas where native and non-
native plant communities formed contiguous boundaries representing; native shrubland,
native woodland, introduced annual grassland, and introduced perennial grassland.

2.1. Site Descriptions

In 2006, a study was established to examine insect diversity in native pinyon/juniper
and sagebrush habitats relative to those in the non-native conversion habitats of cheatgrass
or crested wheatgrass. From these samples, we are able to test the effect of habitat on the
presence of Psilochalcis wasps. Malaise traps were set up in four contiguous habitat types
common to the Great Basin at three different locations. Locations are (1) Utah, Juab County,
Tintic Valley; Utah, Juab County, Yuba Valley; and Utah, Sanpete County, Antelope Valley.
The habitat types at these locations are defined by the dominant plant species, namely
(1) pinyon/juniper (Pinus edulis or P. monophylla and Juniperus osteosperma), (2) sagebrush
(Artemisia tridentata), (3) cheatgrass (Bromus tectorum) and (4) crested wheatgrass (Agropyron
cristatum) (Figure 1). Both the cheatgrass and crested wheatgrass sites were either native
shrubland or woodland prior to wildfires. Crested wheatgrass sites were reseeded after fire
disturbance whereas cheatgrass sites were untreated or failed reseedings. These two altered
plant communities formed the dominant habitat type at each location with sagebrush
comprising much smaller remnant patches. The overall topography was relatively flat
except where dry washes bisected the study site or where slopes gradually gain elevation.
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The Antelope Valley site has abundant pinyon/juniper on the adjacent slopes to the west
and north. At the Tintic Valley site, pinyon/juniper is abundant to the north, and at the
Yuba Valley site, pinyon/juniper is abundant to the east (Figure 1). Within habitat types,
exact trap locations were based partly on road accessibility and the logistics of regular
retrieval of trap samples. Though some trap sites appear close to habitat boundaries, they
were still placed a minimum distance of 100 meters from the habitat edge, to reduce the
effect of edge bias.

Figure 1. Placement of Malaise traps within four contiguous habitat types at three locations in central
Utah. Tintic Valley and Yuba Valley are in Juab County. Antelope Valley is in San Pete County.
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2.2. Sampling Method

Townes-style malaise traps [11,12] were installed at three different sites. At each site,
three traps were set up in each of the four habitats. Within each habitat, the three traps
were installed 120◦ opposing each other thus effecting a full 360◦ sample orientation. A
total of 36 traps were installed in 2006 and repeated in 2007. Samples from each trap were
retrieved biweekly from 1 April to 1 October (Spring through Fall). Trap setup required
two eight-foot T-posts pounded into the soil on either side of trap, securing trap to posts,
and staking the trap to the ground (Figure 2).

 
Figure 2. Malaise trap setup. Trap shown in pinyon/juniper habitat.

Malaise trapping is the prevailing method for collecting chalcidid wasps [13–15].
Malaise traps have been shown to be more effective in trapping chalcidoids than other
style traps and are preferred when time and/cost are major constraints [16]. Due to the
remoteness of our trap locations, it was not feasible to check traps more frequent than
biweekly. Malaise traps passively capture through flight interception, which allows to them
to be left unattended between sample retrieval for longer periods relative to other style
traps without the concern of sample degradation.

Preliminary examination of chalcidid wasp captures indicated two Psilochalcis species
almost exclusively occurring in pinyon/juniper and cheatgrass habitats. This discovery
prompted us to set up a few additional traps during the summers of 2020 through 2022 to
see if we could predictably recapture the two wasp species in the same habitats but from
different locations. Eleven traps were set up in pinyon/juniper and four traps in cheatgrass.

2.3. Plant Composition

In 2007, aerial plant cover was estimated at each trap location using a half-square
meter quadrat placed every 5 m (excluding point 0) along a 45 m transect in each cardinal
direction from the Malaise trap center. This yielded 32 sample quadrats for each trap with
the sample area being a 45-m radius around each trap.

2.4. Seasonal Abundance

Malaise trap data were used to calculate species trap abundance by location, habi-
tat type and collection year. For each Psilochalcis species, we produced annual species
abundance graphs using Microsoft Excel 2016 to visualize seasonal trends.
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2.5. Statistical Analysis

The trap abundance data for both P. minuta and P. quadratis were highly skewed having
a large number of zeros from several traps across habitat type, site, and collection year. The
data were transformed to a log scale before analysis to account for this. A separate two-
way analysis of variance (ANOVA) and logistic regression were conducted for P. minuta
and P. quadratis using the Statistical Analysis System (SAS) version 9.4 to determine the
likelihood of each species occurring at each location and habitat type.

2.6. Climate Data Analysis

To assess any impact of climate on seasonal abundance, we analyzed both county [17]
and local [18] temperature and precipitation data to visualize climate trends at collection
sites. The weather stations in closest proximity to each location were chosen. Stations are
Little Sahara for Tintic Valley, Scipio for Yuba Valley, and Manti for Antelope Valley.

3. Results

3.1. Seasonal Trap Abundance

In 2006, 99.24 percent of P. minuta specimens were collected in pinyon/juniper habitat,
while 0.76 percent of specimens were collected in crested wheatgrass habitat. Total number
of specimens collected was 131, and only at the Yuba Valley site. In 2006, 96.75 percent of
P. quadratis specimens were collected in cheatgrass habitat, 3.0 percent in crested wheatgrass
habitat and 0.25 percent in sagebrush habitat. Total number of specimens collected was
401, with 400 specimens collected at Yuba Valley, and 1 collected at Tintic Valley. The 2006
seasonal trap abundance for both P. minuta (Figure 3) and P. quadratis (Figure 4) peaked
from mid-July to early August.
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Figure 3. Relative seasonal trap abundance for Psilochalcis minuta over a two-year period at Utah;
Juab County, Yuba Valley. Note that peak abundance shifted one month earlier between years.

Collection data for 2007 showed a decrease in seasonal abundance and a time shift in
the peak abundance for both Psilochalcis species. The total number of P. minuta specimens
collected in 2007 decreased to 52, with all specimens collected in pinyon/juniper habitat at
Yuba Valley. The seasonal abundance for P. minuta peaked one month earlier in mid-June
(Figure 3). The total number of P. quadratis specimens collected decreased to 33, with
75.8 percent of specimens collected in cheatgrass habitat, 12.1 percent in crested wheatgrass
habitat and 12.1 percent in sagebrush habitat. Thirty P. quadratis specimens were collected
at Yuba Valley, with 2 specimens collected at Antelope Valley and 1 specimen collected
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at Tintic Valley. The seasonal abundance for P. quadratis peaked two months earlier in
mid-May (Figure 4).
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Figure 4. Relative seasonal trap abundance for Psilochalcis quadratis over a two-year period at Utah;
Juab County, Yuba Valley. Note that peak abundance shifted two months earlier between years.

Subsequent Malaise trapping from other locations in 2020 through 2022 revealed
similar Psilochalcis affinities to habitat. Psilochalcis minuta was predominantly found in
traps placed in pinyon/juniper habitat. All eleven traps placed in pinyon/juniper yielded
specimens of P. minuta totaling 348. Five P. minuta specimens were retrieved from two
traps placed in cheatgrass habitat. Three of four traps placed in cheatgrass habitat yielded
specimens of P. quadratis totaling 10. Additionally, 18 P. quadratis specimens were retrieved
from five traps placed in pinyon/juniper.

3.2. Plant Composition

Pinyon/juniper habitat sites are characterized by the dominant species Utah juniper
(Juniperus osteosperma). The percent cover of Utah Juniper was 10.9% at Tintic Valley, 19.4%
at Yuba, and 17.3% at Antelope Valley. Only the Antelope Valley site had cover of pinyon
pine (Pinus edulis) at 6.0%. Cheatgrass is present in the understory at all three locations but
with extremely low cover. Tintic Valley had cheatgrass cover of 0.1%, Yuba Valley had 1.5%
and Antelope Valley had 0.1%. Other plants varied amongst the three locations (Table 1).

Cheatgrass habitat sites are characterized by the dominant species cheatgrass (Bromus
tectorum). The percent cover of cheatgrass at Tintic Valley was 16.1%, 1.3% at Yuba, and
42% at Antelope Valley. Eremopyrum triticeum (Gaertn.) Nevski had a slightly greater
percent cover than cheatgrass at the Yuba site. It should be noted that the Yuba cheatgrass
site experienced cheatgrass die-off in 2007, a phenomenon that occurs sporadically but
regularly throughout the Great Basin [19]. No other species were sampled at the Antelope
Valley site. Other plants varied amongst the other two locations (Table 2).
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Table 1. Species Composition in Pinyon/Juniper Habitat Type.

Antelope Valley Percent Cover

Bromus tectorum L. 0.05%
Ceratocephala testiculata (Crantz) Besser 0.27%
Chaetopappa ericoides (Torr.) G.L. Nesom 0.02%

Chrysothamnus viscidiflorus (Hook.) Nutt. 0.03%
Eriocoma hymenoides (Roem. & Schult.) Rydb. 0.01%
Gutierrezia sarothraea (Pursh) Britton & Rusby 0.04%
Hesperostipa comata (Trin. & Rupr.) Barkworth 0.01%

Juniperus osteosperma (Torr.) Little 17.26%
Pinus edulis Engelm. 6.77%

Total 24.46%
Tintic Valley

Alyssum desertorum Stapf 0.15%
Artemisia tridentata Nutt. 0.31%

Astagalus eurekensis M.E. Jones 0.08%
Astragalus calycosus Torr. ex S. Wats. 0.25%

Astragalus lentiginosus Douglas 0.04%
Bromus tectorum L. 0.09%

Chaenactis douglasii (Hook.) Hook. & Arn. 0.01%
Elymus elymoides (Raf.) Swezey 0.21%

Eriocoma hymenoides (Roem. & Schult.) Rydb. 0.61%
Juniperus osteosperma (Torr.) Little 10.86%

Pseudoroegneria spicata (Pursh) Á. Löve 0.85%
Total 13.46%

Yuba Valley
Artemisia tridentata Nutt. 0.31%

Bromus tectorum L. 1.48%
Ceratocephala testiculata (Crantz) Besser 0.03%
Chaetopappa ericoides (Torr.) G.L. Nesom 0.01%

Chrysothamnus viscidiflorus (Hook.) Nutt. 0.07%
Eriocoma hymenoides (Roem. & Schult.) Rydb. 0.02%
Hesperostipa comata (Trin. & Rupr.) Barkworth 0.01%

Juniperus osteosperma (Torr.) Little 19.40%
Linanthus pungens (Torr.) J.J. Porter & L. A. Johnson 0.05%

Oreocarya humilis (A. Gray) Greene 0.02%
Total 21.40%

Table 2. Species Composition in Cheatgrass Habitat Type.

Antelope Valley Percent Cover

Alyssum desertorum Stapf 0.03%
Bromus tectorum L. 42.14%

Ceratocephala testiculata (Crantz) Besser 0.01%
Total 42.18%

Tintic Valley
Agropyron cristatum (L.) Gaertn. 0.31%

Bromus tectorum L. 16.14%
Eriocoma hymenoides (Roem. & Schult.) Rydb. 0.01%

Pascopyrum smithii (Rydb.) Barkworth& D.R. Dewey 0.26%
Pseudoroegneria spicata (Pursh) Á. Löve 0.31%

Salsola kali L. 0.01%
Sisymbrium altissimum L. 0.01%

Total 17.05%
Yuba Valley

Bromus tectorum L. 1.31%
Ceratocephala testiculata (Crantz) Besser 0.84%

Ceratoides lanata Krascheninnikovia lanata (Pursh) A.D.J Meeuse & Smit 0.08%
Chorispora tenella (Pall.) DC 0.14%
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Table 2. Cont.

Antelope Valley Percent Cover

Elymus elymoides (Raf.) Swezey 0.20%
Eremopyrum triticeum (Gaertn.) Nevski 1.36%

Eriocoma hymenoides (Roem. & Schult.) Rydb. 0.05%
Total 3.98%

In general, sagebrush habitat sites are characterized by the dominant species Big
Sagebrush (Artemisia tridentata) comprising slightly more than 12% of the total plant cover.
Cheatgrass (Bromus tectorum) is present in the understory comprising approximately 7.5%
total cover. Other forbes found were Elymus elymoides and Chrysothamnus viscidiflorus, both
approximately 0.3% total cover.

Crested wheatgrass habitat sites are characterized by the dominant species Crested
wheatgrass (Agropyron cristatum) comprising slightly more than 4% of the total plant cover.
Cheatgrass (Bromus tectorum) is present in the understory comprising approximately 0.7%
total cover. Other forbes found were Stipa hymenoides, slightly less than 1%, and Elymus
elymoides, less than 0.5 % total cover.

3.3. Statistical Results

Psilochalcis minuta demonstrated a significant interaction in trap abundance for habitat
type by location (F6, 60 = 120.97 (p < 0.0001). The least square means analysis shows a
significant interaction with pinyon/juniper habitat at Yuba Valley (p < 0.0001, t value 38.53).
All other habitat type and location combinations were insignificant. An odds ratio estimate
was not obtained for P. minuta due to it being collected only at the Yuba Valley location.

Psilochalcis quadratis also demonstrated a significant interaction in trap abundance for
habitat type by location (F6, 60 = 20.06 (p < 0.0001). The least square means combination of
cheatgrass at Yuba Valley shows a significant interaction of these two variables (p < 0.0001,
t value 16.83). Crested wheatgrass at Yuba Valley also shows significance (p < 0.0001) but
with a much lower t value (t value 5.07). With zeros so prevalent in our data set, this
significant interaction between Crested wheatgrass habitat at Yuba Valley is to be expected.
The number of P. quadratis specimens collected from Crested wheatgrass habitat at Yuba
Valley were 16 out of 401. Psilochalcis quadratis was collected at all three locations. From
the logistic regression we obtained an odds ratio estimate that P. quadratis is 63.46 times
more likely to be present at Yuba Valley than Antelope Valley (confidence interval from
6.13 to 656.88), and 29.73 times more likely to be present at Yuba Valley than Tintic Valley
(confidence interval from 4.53 to 195.08).

3.4. Climate Data Results

For Juab County Utah, monthly mean temperatures for 2006 and 2007 were compared
to the 20th century average. In 2006, February and March temperatures were at or slightly
below the 20th century average. April through July temperatures were consistently warmer.
In 2007, the February temperature was slightly above average and rose more above av-
erage in March. April through July temperatures were consistently above average. The
temperatures for these months were slightly higher when compared to the same months in
2006. In 2006, monthly precipitation was greater from February through September when
compared to 2007.

The three weather stations closest to each of our collection sites showed the same
trends with minor differences becoming apparent. In 2006, all three stations were lower than
the 30-year normal, the greatest deviation occurred at Little Sahara, which was 5.5 degrees
below the 30-year normal. Scipio recorded a difference of 3.8 degrees and Manti was
4.1 degrees lower. In 2007, all three stations were higher than the 30-year normal. Tem-
peratures ranged from 4.6 degrees higher at Manti up to 5.0 higher at Little Sahara. April
through July in both years were consistently above the 30-year normal. The 30-year normal,
2006, and 2007 mean maximum temperatures from July through December were very
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similar with only minor fluctuations. The three weather stations reported lower monthly
precipitation than the 30-year normal. All three stations also reported slightly higher pre-
cipitation in March and April of 2006 compared to the same months in 2007. Scipio showed
the greatest difference between years, followed by Manti. Overall, the precipitation records
for Little Sahara were spotty for both years, so a comparison was not easily made.

4. Discussion

We collected P. minuta predominantly from areas of pinyon/juniper habitat, with rare
collections in cheatgrass. Psilochalcis quadratis was collected primarily from cheatgrass habi-
tat, with occasional collections in pinyon/juniper. The occasional occurrence of Psilochalcis
species in adjacent habitat types is either due to their close proximities or the host plant of
their host moth co-occurring in both habitats. Both Psilochalcis species are highly mobile.
There is no reason not to expect flight across plant community boundaries. Our results
suggest biological and/or ecological factors are driving the associations of P. minuta within
pinyon/juniper habitat and P. quadratis within cheatgrass habitat and not trap placement
within the habitat, but we are uncertain what the key host plant is within either habitat.

Plant composition in the same habitat across sites was not always uniform. The
variability seen in trap capture between sites is likely due to differences in plant community
compositions. The presence or absence of a particular plant species in a given habitat could
be the primary factor influencing the presence of P. minuta and P. quadratis in those areas.
This might account for the stark absence of P. minuta and P. quadratis in Antelope Valley, it
being the most different in plant composition.

Psilochalcis are known parasitoids of lepidopterans in the families Pyralidae and
Gelechiidae [4]. One particular species, P. brevialata, has been documented parasitizing
the pupal stage of pyralid moths infesting stored figs [20]. Reports of host associations
between dominant plant species occurring in our sampled habitats and pyralid moths
are lacking, however; it is interesting to note that the pyralid Dioryctria albovitella (Hulst)
was reported as attacking pinyon pine [21]. The pupal stage of D. albovitella has been
documented as occurring from mid-July through September [22]. This timing of pupal
abundance coincides with the peak abundance of P. minuta and P. quadratis adult wasps
observed in our study. We observed both pyralid and gelichiid moth species in the same
Malaise trap samples in which P. minuta and P. quadratis specimens were retrieved though
they are yet to be quantified or identified to species. They were similarly observed in our
subsequent Malaise trap samples. It is therefore likely that the abundance of P. minuta
in pinyon/juniper habitat and P. quadratis in cheatgrass habitat is directly related to the
abundance of their lepidopteran hosts occurring in each of these habitat types.

There are many variables affecting the phenology of living organisms, in particular
environmental factors. Temperature and precipitation have been shown to play a role
in the phenology of plants [23]. This pattern extends to plant/insect associations. The
countywide differences in temperature and precipitation between 2006 and 2007 could
account for the shift in observed phenology in P. minuta and P. quadratis. In 2007, warmer
than average temperatures were recorded in February and March as well as from July
through September when compared to 2006. Less than average precipitation was recorded
from January through October when compared to 2006. We hypothesize that the warmer
and drier spring of 2007 accelerated the phenology of the plant communities at the Yuba
location. This could have altered the timing of the peak abundance of the host moth pupae
within those habitats, and in turn resulted in the shift in seasonal abundance observed for
both P. minuta and P. quadratis that parasitize those moths.

5. Conclusions

Psilochalcis minuta and P. quadratis are the first North American Psilochalcis species for
which seasonal abundance has been associated with a specific habitat type. While P. minuta
is strongly associated with pinyon/juniper habitat and P. quadratis is with cheatgrass
habitat, the exact plant species accounting for these relationships remains unknown. The

97



Land 2023, 12, 54

associations with habitat type were however, further confirmed by the additional Malaise
traps placed in multiple areas beyond the original trap sites in multiple subsequent years.

We recognize there are still many unknown ecological relationships of Psilochalcis
species. While Malaise traps can be a useful tool for determining species/habitat asso-
ciations, trap costs and trap maintenance are often unfeasible. The simple addition of
habitat information to collection labels would significantly contribute to our increased
understanding of Psilochalcis and our ability to predict future occurrences through the
development of species distribution models. We encourage collectors to include ecological
data along with location data to increase our understanding of the ecological relationships
of Psilochalcis species in their natural habitats. This study uniquely ties two Psilochalcis
species’ seasonal abundance to particular habitats of the Great Basin.
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Abstract: Phytoremediation has become a promising technique for cleaning Pb-contaminated soils.
Grasses have a phytoextractor potential for extracting metal from soil by transporting it and accumu-
lating it in high concentrations in their shoots, and they have the ability to immobilize and inactivate
it via phytoliths. The objective of this work was to evaluate the phytoremediation potential of forage
grasses through the production of phytoliths and the occlusion of Pb in the phytoliths cultivated in
Pb-contaminated soils. Three greenhouse experiments were conducted in a completely randomized
design, separated by soil type (Typical Hapludox, Xanthic Hapludox and Rhodic Hapludox), in a
3 × 4 factorial scheme consisting of three forage grasses (Megathyrsus maximus, Urochloa brizantha and
Urochloa decumbens) and four Pb rates (0, 45, 90 and 270 mg kg−1) with four repetitions. The forage
grasses were influenced by increases in the Pb concentrations in the soils. The higher Pb availability
in Typic Quartzipsamment promoted Pb toxicity, as indicated by the reduced dry weights of the
shoots, increased phytolith production in the shoots, increased Pb in the shoots and Pb occlusion in
the phytoliths of the forage grasses. The production and Pb capture in the phytoliths in the grasses
in the Pb-contaminated soils were related to the genetic and physiological differences in the forage
grasses and the Pb availability in the soils. Urochloa brizantha was the most tolerant forage to the
excess Pb, with a higher production of phytoliths and higher Pb occlusion in the phytoliths, making
it a forage grass that can be used in the future for the phytoremediation of Pb-contaminated soils.

Keywords: Urochloa; Megathyrsus maximus; lead; biomineralization; Entisol; Oxisol

1. Introduction

Plants are targets for a wide range of pollutants that vary in concentration, speciation
and toxicity. Lead (Pb) is among the most toxic pollutants that affect plants [1–6], being
found in all environmental compartments, such as soil, water, the atmosphere and living
organisms [5,7]. The capacity for environmental contamination by Pb results from its
persistence in soil, which it can achieve via its low mobility and non-degradation in
soil [6,8–12].

Lead tends to accumulate on the soil surface, and its concentration is reduced deeper in
the soil [5,6,8–12]. Lead, which plants easily uptake and accumulate [1,13,14], is considered
a subtle and slow-acting general protoplasmic poison, and it is highly toxic, even in small
concentrations [6,8–12]. Lead toxicity causes changes in enzymatic, nutritional, hormonal
and water balances and changes in photosynthesis, respiration and membrane structure
and permeability, resulting in a reduction in growth, chlorosis and the darkening of the root
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system of plants [1,6,15]. High concentrations of Pb in a plant may eventually promote cell
death, resulting in reduced crop yields becoming a serious problem for agriculture [1,6].

The remediation of Pb-contaminated soils is a major challenge for many industries and
government agencies. Lead-contaminated sites have been remedied through a relatively nar-
row range of engineering-based technologies [1]. Phytoremediation uses plants to remediate
areas contaminated with heavy metals, and it is a promising technique with great potential
for cleaning Pb-contaminated soils [1,5]. Phytoremediation may involve several processes,
including phytoextraction, which is based on easy cultivation and the use of fast-growing
plants capable of extracting heavy metal from soil by transporting it and accumulating it
in high concentrations in their shoots [1]. Grasses have a potential phytoextractor of heavy
metals due to tolerance and accumulation of metals in tissues, besides presenting high growth
rate, biomass production and abundant root system [5,16] combined with their ability to
produce phytoliths [17–19]. Plant tolerance to Pb depends on genotype and physiological
characteristics [1,5,20], with the existence of different defense strategies that provide protection
against its harmful effects [1,6,21]. Phytolith production is one of these defense strategies that
enable plant survival under such extreme conditions [17–19,22,23].

Phytoliths are amorphous silica particles between 1 and 250 μm in size, resulting from
the uptake of silicic acid from the soil solution by plant roots [24,25]. Structures form via
the polymerization process of silicic acid, which causes amorphous silica to precipitate
along with metals in the cells of some plants [17–19,26]. Silica bodies can occlude harmful
metal ions in some parts of plants, reducing the stress caused by these metals in many
terrestrial plants, especially in species of the Cyperaceae and Poaceae families [17–19,22,24].
They also reduce soil-soluble metals, mainly in contaminated areas and, most importantly,
without the risk of contamination of the food chain due to its stability [12,22,23,25,27–29].

Studies have reported that phytoliths produced in a plant can contribute to the im-
mobilization and subsequent inactivation of the plant’s tolerance to toxic metals [22,25,27].
The production and concentration of plant phytoliths depend on phylogenetic charac-
teristics, such as species and genus, and they vary with plant phenology, as well as soil
type [17–19,22,23]. Some grass species exhibit characteristics of a high growth rate and
biomass yield capacity, and they can tolerate and accumulate toxic metal [28] with a high
phytolith yield capacity [17,19,22]. The grasses evaluated in this study are Megathyrsus
maximus and Urochloa genera, with high biomass production and rapid growth [5], clas-
sified according to their management and soil fertility requirements [5,16]. Megathyrsus
maximus is known worldwide for having high productivity and for being able to adapt to
different soil and climatic conditions [16], and Urochloa grasses stand out for being more
rustic and having a good ability to adapt to diverse environments [16], but the phytolith
yield capacities of these grasses are unknown. Thus, the present study aimed to evaluate
the phytoremediation potential of forage grasses through the production of phytoliths and
the occlusion of Pb in the phytoliths cultivated in Pb-contaminated soils.

2. Material and Methods

2.1. Soil Characterization and Experimental Design

Three greenhouse experiments were conducted in Diamantina (18◦15′ S, 43◦36′ W,
1250 m a.s.l.), Minas Gerais, Brazil. The soils were a Typic Quartzipsamment (TQ), a Xantic
Hapludox (XH) and a Rhodic Hapludox (RH), classified according to Soil Taxonomy [30],
with different chemical and textural characteristics. The soils were collected in a condition
of native “Cerrado” to ensure the absence of metal contamination of the surface soil layer
(0–0.2 m depth). A subsample was air-dried and sieved (2.0 mm) for chemical analyses and
soil texture determination [31] (Table 1). The available Pb concentrations in the soils were
determined by using the USEPA 3052 method [32] (Table 1).
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Table 1. Soil attributes before application of basic fertilizer and Pb rates.

Attribute Unit Soil (6)

TQ XH RH

pH (1)
water - 5.1 5.4 5.5

P (2) mg kg−1 0.2 0.1 0.2
K (2) mmolc kg−1 0.4 0.1 0.2
Ca (3) mmolc kg−1 6.7 4.50 8.1
Mg (3) mmolc kg−1 3.5 1.8 3.9
Al (3) mmolc kg−1 7.8 4.2 1.6

Cation-exchange capacity mmolc kg−1 40.6 71.4 49.2
Organic carbon g kg−1 3.5 5.8 5.2

Pb (4) mg kg−1 0.0 0.0 0.0
Maximum P adsorption mg kg−1 100 200 250

Sand (5) g kg−1 830.0 580.0 310.0
Loam (5) g kg−1 110.0 70.0 180.0
Clay (5) g kg−1 60.0 350.0 510.0

(1) Soil:water 1:2.5. (2) Mehlich-1 extractor. (3) KCl 1 mol L−1 extractor. (4) USEPA 3052. (5) Pipette method.
(6) TQ: Typic Quartzipsamment. XH: Xantic Hapludox. RH: Rhodic Hapludox.

The liming of soils was carried out with dolomitic limestone to increase the base satu-
ration to 45%. The lime requirement (LR) was calculated as LR (Mg ha−1) = ((V2 − V1) ×
CEC)/100, where V2 is the base saturation recommended for the grasses (45%), V1 is the base
saturation in the soil analysis, and CEC is the cation-exchange capacity (Table 1). The soils
were incubated for 30 days under field capacity conditions, controlled by daily weighing and
maintained throughout the experiment.

The basal fertilization rates were 180 mg N (Urea, NH4H2PO4, (NH4)2SO4, Pb(NO3)2),
150 mg K (KCl), 50 mg S ((NH4)2SO4), 1 mg B (H3BO3), 1.5 mg Cu (CuCl2), 5.0 mg Fe
(FeSO4.7H2O-EDTA), 4.0 mg Mn (MnCl2.H2O) and 4 mg Zn (ZnCl2) per kg of soil. The
phosphate fertilization was based on the maximum P adsorption capacity of each soil
(Table 1), estimated from the data of the Langmuir isotherm second region [33]. The
applied phosphorus rate was 200 mg for the TQ, 350 mg for the XH and 450 mg for the RH
per kg of soil with source NaH2PO4. Nutrients were applied as pure reagents for analyses,
and they were mixed completely and incubated for 15 days in each soil. The Pb rates were
applied after liming, and a basic fertilizer was applied as a pure lead nitrate reagent for
planting and soil incubation for 15 days.

Three experiments were conducted in a completely randomized design, with a
3 × 4 factorial scheme and three replications. The factors were three forage grasses (Urochloa
decumbens (Stapf) R.D. Webster cv. Basilisk; Urochloa brizantha (Hochst. ex A. Rich.) R.D.
Webster cv. Marandu e Megathyrsus maximus (Jacq.) B.K. Simon & S.W.L. Jacobs cv. Mom-
baça) and four Pb rates (0, 45, 90 and 270 mg per kg of soil) examined in three soils. The
choice of forage grasses was due to their rusticity, ability to adapt to different environ-
ments, easy handling and good market acceptance [16]. The Pb rates were based on the
investigation values of the soils [34].

The forage grasses were seeded in pots with 3 kg of soil. Then, 7 days after seedling
emergence, thinning was performed, leaving only one plant per pot. The four top-dressing
fertilizations of 30 mg N (urea) per kg soil were carried out every 15 days, after the thinning
of the grasses. The pots were irrigated daily with distilled water to maintain soil moisture
at field capacity, which was checked daily by weighing the plots.

2.2. Measurements and Analytical Determinations

The plant shoots were harvested 120 days after the thinning of the forage grasses.
The shoot samples were dried in a forced-air oven at 65 ◦C until constant weight, and
they were ground and weighed to determine their dry weights. The Pb was extracted in a
microwave oven (CEM MarsTM 6) with nitric acid (65% v/v - Merck), and its concentration
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was determined using atomic absorption spectrometry in a graphite oven (AAnalyst 800,
Perkin-Elmer, Waltham, MA, USA). The quality of the Pb analysis of the plant tissue
was assured by using certified reference material (NIST SRM 1573a tomato leaf) and
reagent blanks.

The phytoliths in the shoots of the forage grasses were prepared and separated using
the process detailed in [35]. The separated phytoliths were opened by using the USEPA
3052 method [32]. The Pb concentrations in the filtered solutions were determined using
atomic absorption spectrometry and a graphite oven (AAnalyst 800, Perkin-Elmer, Waltham,
MA, USA).

2.3. Statistics

The data were subjected to an analysis of joccccint variance, which consisted of a
study of the Pb rates and the forage grasses within each soil type. The means of the forage
grasses and soil types were compared by using Tukey’s test at a 5% significance level. The
regression equations were adjusted for the variables in the function of Pb rates.

3. Results

The shoot dry weights of the forage grasses decreased with an increase in the Pb
rates applied to the soils (p < 0.01), and the forages that were grown in the TQ presented
lower reductions in their shoot dry weights than those that were grown in the other soils
(Figure 1). Based on the regression coefficients (Figure 1), Urochloa brizantha had the highest
tolerance to Pb than the other forages evaluated and the lowest reduction in dry matter
yield when grown in all evaluated soils. The higher tolerance of the forages in the TQ and
the lower sensitivity to Pb presented by the forage Urochloa brizantha may be related to the
characteristics of the species.

Figure 1. Shoot dry weights of forage grasses with increases in Pb rates within 120 days of thinning in
three soils (TQ: Typic Quartzipsamment. XH: Xantic Hapludox. RH: Rhodic Hapludox) (significant
at ** p = 0.01).

Phytolith production in the forage shoots increased with an increase in the Pb rates
applied to the soils (p < 0.01). The three forages presented phytolith production, indepen-
dent of soil and species, with Urochloa brizantha presenting the highest phytolith production
(Figure 2). This may also explain the higher phytolith production observed in the forages
that were grown in the TQ than in the forages that were grown in the other evaluated soils
(Figure 2). Pb toxicity caused a greater increase in the phytoliths in Urochloa brizantha than
in the other forages evaluated, with the higher yield reflecting the genetic and physiological
differences between the forage grasses in producing phytoliths.
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Figure 2. Phytolith production in forage grasses with increases in Pb rates within 120 days of thinning
in three soils (TQ: Typic Quartzipsamment. XH: Xantic Hapludox. RH: Rhodic Hapludox) (significant
at ** p = 0.01).

The lead concentrations in the shoots and phytoliths were evaluated to verify the Pb
uptake and Pb occlusion by the grasses, respectively. The Pb addition to the soils linearly
increased the Pb concentrations in the shoots (Figure 3) and phytoliths (Figure 4). The
forages grasses only differed in Pb uptake (Figure 3) and Pb occlusion in the phytoliths
(Figure 4) when cultivated in the TQ.

Figure 3. Pb concentrations in shoots of forage grasses with increases in Pb rates within 120 days of
thinning in three soils (TQ: Typic Quartzipsamment. XH: Xantic Hapludox. RH: Rhodic Hapludox)
(significant at ** p = 0.01).

Higher Pb concentrations in the shoots were found in the grasses that were cultivated
in the TQ than in the grasses that were cultivated in the other soils (Figure 3); this was due
to the higher Pb availability in the TQ, being a soil with a sandy texture (Table 1), reflecting
the toxic effect of Pb on the dry matter yield of grasses (Figure 1). On average, the Pb
concentration in the shoot of Urochloa brizantha was 17% higher than that in the other two
forage grasses when grown in the soils at the highest applied rate (270 mg kg−1).
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Figure 4. Pb concentrations in phytoliths of forage grasses with increases in Pb rates within 120 days
of thinning in three soils (TQ: Typic Quartzipsamment. XH: Xantic Hapludox. RH: Rhodic Hapludox)
(significant at ** p = 0.01).

The Pb occlusion in the phytoliths was higher in the grasses that were grown in the TQ
than in the grasses that were grown in the other soils (Figure 4); this occurred in response to
the greater toxic effect of Pb due to the higher availability of Ni in the TQ, which is related to
this soil having a sandier texture than the other evaluated soils (Table 1). Urochloa brizantha
had a higher Pb occlusion in the phytoliths than the other evaluated forage grasses, which
may be related to the tolerance mechanism of this grass in response to Pb toxicity.

The lead concentrations in the shoots increased as a function of the Pb rates applied to
the three soils (p < 0.01) for all the forages evaluated (Figure 3). The lead concentrations
in the phytoliths increased with an increase in the Pb concentrations in the three soils
(p < 0.01). The phytoliths produced in the forages in the different soils (Figure 2) were able
to capture Pb metal in the three soils (Figure 4). A higher Pb concentration was observed in
the phytoliths in the forages that were grown in the TQ, with Urochloa brizantha, in general,
being the forage that presented the highest Pb occlusion in the phytoliths, based on the
regression coefficients (Figure 4), with a 17% greater P occlusion compared to the other two
forage grasses at the highest Pb rate in the soil (270 mg kg−1).

The increase in the Pb concentrations in the soils, in general, provided the greatest
reduction in the production of shoot dry matter (Figure 1), the greatest production of
phytoliths (Figure 2) and the highest Pb concentrations in the shoots of the forage grasses
(Figure 3) and in the phytoliths (Figure 4). Urochloa brizantha, in general, was the forage
that showed the lowest reduction in biomass production in the shoot (Figure 1), the highest
production of phytoliths (Figure 2) and the highest concentration of Pb in the phytoliths
(Figure 4). The forages cultivated in the TQ showed the lowest dry matter production
in the shoots (Figure 1), the highest production of phytoliths (Figure 2), the highest Pb
concentrations in the shoots (Figure 3) and the greatest Pb occlusion in the phytoliths
(Figure 4) at the maximum dose of Pb applied (270 mg kg−1).

4. Discussion

The low Pb supply rate reduced the shoot dry weights of the forage grasses in the
evaluated soils (Figure 1). The results prove the toxic effect of Pb, since the growth and
development of plants grown in Pb environments are affected by several negative effects
that occur after Pb absorption by plants [1–6]. The nutritional imbalance caused by Pb
may have occurred in the forage grasses evaluated in the present study, contributing to the
reductions in the dry weights of the shoots (Figure 1). Nutritional imbalance in different
plant species [1], such as reductions in the absorption, distribution and accumulation of
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macro- and micro-nutrients in various bean crop organs [3], affects their biomass production
and development [2,3,5,6].

Lead has a higher availability in sandy soils [5], but the forages cultivated in the
TQ showed the lowest reductions in the dry weights of the shoots (Figure 1). The re-
sults confirm that the phytotoxicity of Pb [2,3,5,6] depends not only on its availability and
concentration [6,8–12] but also on the period of exposure to the metal, the species and its phys-
iological characteristics, the affected organ or tissue and the tolerance mechanisms [1,6,7,21].
Studies have shown that Pb affects plants differently, with the characteristics of each species
resulting in different sensitivities to the adverse effects of Pb [1,13,14].

The phytolith production in the forages proves that they are potential producers of silica
bodies (Figure 2) in soils with different textures (Table 1), compositions and Pb concentrations.
Studies have claimed that Poaceas are major phytolith producers [17–19,22,24]. The forages
exhibited increased phytolith production when higher Pb rates were applied to the soils
(Figure 2), confirming that a higher concentration and availability of Pb in soil may influence
phytolith production in plant organs [22,26]. That is, the higher phytolith production in the
forages was related to the higher Pb concentrations and availability [6,8–12] in the soils in
the present study. Soils that are more sandy with a low clay concentration, a cation-exchange
capacity and organic matter are known to have a higher bioavailability of Pb [6,8–12], which
indicates the importance of these factors in the adsorption and desorption of Pb to soil and,
consequently, in the production of phytoliths in plants [22].

Urochloa brizantha produced more phytoliths with increases in the Pb rates applied to
the three soils (Figure 2). Plant phytolith production depends on phylogenetic character-
istics, such as genus and species, but species phenology, soil characteristics and environ-
mental conditions are also factors that influence the production of silica bodies [12,22,26].
Under experimental conditions, the results indicate that the higher tolerance of Urochloa
brizantha, demonstrated by the lower reduction in the dry weights of the shoots, may reflect
higher phytolith production (Figure 2). Silica bodies called phytoliths provide mechan-
ical strength and help protect against physical, chemical and biological stresses on the
plant [17–19,22,23].

The forages evaluated could extract Pb from the soil, and their absorption was not
limited by increases in the Pb rates (Figure 3), noting their phytoextracting capacity; it is
possible that they were tolerant because they have effective physiological and biochemical
mechanisms in place to reduce Pb toxicity in tissues [1,13,14].

At first, the forages evaluated may not be considered plants of interest for Pb phytore-
mediation due to their reduced growth when the Pb concentrations increased in the soils
(Figure 1). In addition, Pb-hyperaccumulating plants can extract, tolerate and accumulate
high Pb concentrations in tissues when grown in soils contaminated with Pb. Lead toler-
ance may be at concentrations exceeding 1.000 mg kg−1 of Pb in dry matter [5], and these
plants may be able to extract and accumulate it in tissues, reaching Pb concentrations of up
to 1% of the dry matter produced [11], although this was not observed in the present study.

In general, almost all hyperaccumulating plants reported in the literature have high
concentrations of heavy metals in their dry mass and produce a low biomass, which
results in a low metal uptake per area [20]. In this sense, the high dry mass production of
the forages [5,16] and their Pb accumulation capacity demonstrate their potential use in
Pb phytoremediation programs. In addition, the phenotype of metal overaccumulation
in shoots is an extreme plant response to soils with high metallic concentrations and
is acquired throughout a plant’s evolution [15]. Therefore, the evaluated forages are
bioindicator plants, since this classification is given to plants that absorb toxic metals and
have internal metal concentrations that reflect external concentrations [20], and, therefore,
they may be plants with the potential for Pb phytoextraction in contaminated soils.

The most well-known toxic metal tolerance mechanisms are summarized as mecha-
nisms that act to expel absorbed metal or prevent root entry and detoxification by seques-
tering the metal into plant-specific organelles, particularly vacuoles [1]. However, other
potential mechanisms, such as the intra- and extra-cellular binding of toxic metals and
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their isolation in a non-vital compartment, are the subject of speculation, discussion and
study [12,27]. The potential mechanisms include phytolith production and metal occlu-
sion [17–19,22,23]. In the present study, the Pb applied to soils provided increases in the Pb
concentrations in shoots and Pb occlusion in phytoliths (Figure 4), with a higher phytolith
production (Figure 2) in the forages. It is possible that the capture and accumulation of Pb
by phytoliths are due to a forage defense mechanism, which may have helped the evaluated
forages to reduce Pb toxicity.

Among the functions attributed to plant phytolith production [17–19] is the relief
of physiological stresses on plant growth due to heavy metal toxicity from the capture
and immobilization of these metals by the silico phytoliths [12,22,23,25,27–30]. A higher
production of phytoliths (Figure 2) and Pb occlusion in the phytoliths were observed when
the forages were grown in the TQ (Figure 4), possibly due to the higher availability and/or
concentrations of Pb and Si in this soil, because its low clay concentration, cation-exchange
capacity and organic matter (Table 1) are characteristics that increase soil Pb availability [5].
In contrast, in the clay soils with higher Fe oxide concentrations (XH and RH) (Table 1), the
forages presented lower Pb toxicity with lower reductions in the dry weights of the shoots
(Figure 1) when compared to the sandy soil (TQ). The lower effect of Pb phytotoxicity can
be attributed to the lower Pb availability in clay soils, whose components have a strong
adsorptive capacity, and to the higher Pb binding energy in soils with higher clay mineral
concentrations, which reduces the availability of Pb to plants and, consequently, ensures a
toxic potential that is lower than that of sandy soils [5,6,8–12].

The available Pb concentration is adsorbed in an exchangeable form in soil, indicating
high Pb mobility and immediate bioavailability [6,8–12], while concentrations resulting
from intense chemical bonds are present in fractions of organic matter and oxides of
amorphous and crystalline Mn and Fe, and they indicate that the metal is immobilized,
poorly mobile in the environment and has a low availability to plants, presenting a lower
risk of environmental contamination [6,8–12]. In addition to the availability of Pb in the
soil, the production and chemical composition of phytoliths can be influenced by metal
uptake, climatic conditions, the silicon concentration in the soil, plant species, location,
disease resistance and fertilizer requirements [22,25,26].

5. Conclusions

The production of phytoliths by forage grasses in Pb-contaminated soils can increase
the tolerance of forages to Pb through the detoxification, immobilization and inactivation
of Pb due to the stable nature of these siliceous bodies. Urochloa brizantha can be a future
forage grass used for the phytoremediation of Pb-contaminated soils. However, there is a
need for further studies to evaluate the role of phytolith formation in Pb sequestration in
forage grasses.
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Abstract: The swampy meadows atop the vast Qinghai–Tibet Plateau in West China fall into
alpine, pediment, valley, floodplain, terrace, lacustrine, and riverine types according to their hydro-
geomorphic properties. They have suffered degradation to various levels of severity due to climate
change and external disturbance. In this paper, we studied the propensity of these types of swampy
meadows to degrade from the topographic perspective. Evaluated against four degradation indi-
cators of vegetation, hydrology, soil erosion, and pika (Ochotona curzoniae) damage, degradation
severity at 106 swampy meadows representing all types of wetlands was graded to one of four levels,
from which the field-based propensity to degrade (PtD) index value was derived. Judged against
this index, terrace and alpine swampy meadows are the most prone to degradation while valley,
lacustrine, and riverine swampy meadows are the least. The index value of a given swampy meadow
type bears a close relationship (R2 = 0.916) with its rate of change during 1990–2013, which confirms
the validity of the proposed index in predicting the propensity of swampy meadows to change. The
observed differential PtD of different types of swampy meadows is attributed primarily to elevation
(R2 = 0.746; p = 0.027) and, secondarily, to surface morphology (R2 = 0.696; p = 0.039). Thus, the
elevation at which a swampy meadow is situated is a more important factor to its PtD than its surface
morphology. In particular, swampy meadows located at a higher elevation with a convex surface are
much more prone to degradation than those at a lower elevation of a concave slope. Such findings
can guide the proper management of different types of swampy meadows to achieve sustainable
animal husbandry.

Keywords: swampy meadow type; degradation propensity; severity assessment; topographic influence;
Qinghai–Tibet Plateau

1. Introduction

Swampy meadows around the world provide several important eco-services, such
as balancing regional ecology, conserving biodiversity, trapping pollutants, and being
important habitats for the wildlife. As a consequence of global climate change, nutrient
enrichment, salinization, and pollution with pesticides and heavy metals, swampy mead-
ows around the world are facing a mounting risk of degradation, with millions of hectares
lost over the last few decades [1,2]. Swampy meadow degradation is a highly complex
phenomenon that has been defined in terms of hydrology, e.g., shrunk water areas and
declined water regulation capacity [3], decreased vegetative cover and its interannual
variability [4], changed plant community structure and species diversity [5], and soil prop-
erties [6]. In this paper, the degradation of swampy meadows on the Qinghai–Tibet Plateau
is defined as the reduction in water reserves to such a level that their ecological functions
are adversely impacted, including reduced water regulating capacity, reduced protection
of the underlying soil, and reduced grazing value. Of these changes, the change in the
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hydrological conditions of swampy meadows is considered the most fundamental, as other
changes (e.g., change in grass species composition and even the advent of soil erosion) are
secondary in that they are triggered by it. Therefore, the propensity of a swampy meadow
to degrade is best studied through its hydrological state, especially its water/moisture level.

It is very important to study swampy meadow degradation and understand its causes
because it can lead to grave consequences, such as dissolved carbon dynamics [7], reduced
carbon uptake and increased global warming potential [8], reduced spawning grounds
for fish, extinction of wild flora and fauna, and reduced capability of erosion control and
sediment trapping [9]. Due to their environmental sensitivity and vulnerability, the swampy
meadows atop the Qinghai–Tibet Plateau have been studied by a number of scientists.
Wang et al. evaluated the changes in swampy meadow components, spatial pattern, and
hydro-ecologic functions [10]. Niu et al. validated the gross primary production of the
alpine swampy meadow on the Tibet Plateau from MODIS satellite data [11], while Yang
et al. monitored grassland degradation with the assistance of a remote sensing-derived
index in Shangri-La of China [12]. Wu et al. studied the associations between environmental
factors in alpine marshy meadows and shifts in plant and soil C, N, and P concentrations
and C:N:P stoichiometry [13]. Wu et al. examined the change in the microtopography of
swampy meadows in Sanjiangyuan via inferring vegetation and soil properties [14]. Li et al.
studied how the degradation of alpine marshy meadows affected ecosystem respiration
and its components [15], while Lin et al. explored how the degradation succession of
alpine marshy meadows impacted soil organic carbon and total nitrogen in the Yellow
River source zone [16]. The potential risk of swampy meadow degradation in the Mt.
Qomolangma National Nature Reserve was evaluated from annual mean temperature,
settlements, and proximity to roads [17]. However, it still remains unknown why certain
types of swampy meadows on the Qinghai–Plateau are more prone to degradation and
degrade more seriously than others.

Dependent upon its type and geographic location, a swampy meadow can be degraded
by different factors. The common causes of peatland and coastal wetland degradation
and disappearance are attributed to land drainage and reclamation for agriculture [18].
The accelerated degradation of lacustrine swampy meadow was caused mainly by con-
structions in the concerned area and warmer temperature, while annual precipitation and
evapotranspiration exerted little influence [19]. However, these causes are not applicable
to the plateau setting where grassy wetlands occur mainly as swampy meadows. The
causes of their degradation are identified as overgrazing, climate change, and external
disturbances [20,21]. Regionally, they have caused widespread degradation and shrinkage
of the swampy meadows on the Qinghai–Tibet Plateau to various levels [22].

At a finer local scale, both climate and external disturbance can be assumed to be
uniform. Why one type of swampy meadow is more prone to degradation than another
is dependent largely on its topography in the landscape. Topographic settings govern
the distribution of solar energy and moisture on a slope and, hence, the propensity of
swampy meadow to degrade. So far, topography has been considered in predicting sites
of future coastal marsh loss [23] and in detecting swampy meadows using a topographic
wetland index from multitemporal optical satellite data [24]. Chignell et al. recognized
the importance of elevation to the nature of Afroalpine wetland of the Bale Mountains in
Ethiopia [25]. Namely, wetlands located at over approximately 3800 m a.s.l. are likely to
be ephemeral, and those at lower elevations tend to be perennial. Nungesser analyzed
the temporal and spatial changes of a patterned peatland in relation to topography [26].
Nevertheless, nobody has examined the influence of topography on swampy meadow
change and its propensity to degrade.

Of particular note, in the plateau setting topography plays an especially decisive
role in affecting surface water distribution (e.g., melting of permafrost, evaporation of
moisture, and water flow) and, hence, potential degradation of swampy meadows on
the Qinghai–Tibet Plateau. How topography affects a swampy meadow’s propensity to
degrade (PtD) has not been explored yet. This study aimed to bridge this knowledge gap
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by ascertaining why different types of swampy meadows atop the Qinghai–Tibet Plateau
have been degraded to various levels of severity, even though they have undergone the
same environmental change over the last few decades. The specific objectives were: (1) to
devise an index for realistically assessing the PtD by swampy meadow type based on field
data; (2) to determine how the PtD varies among different types of swampy meadow;
and (3) to assess the relative influence of elevation and surface morphology on the PtD of
swampy meadows in Maduo County on the Qinghai–Tibet Plateau. The knowledge about
the topographic influence on the PtD of different types of swampy meadows can guide
their proper grazing to achieve sustainable animal husbandry.

2. Study Area

Situated in southern Qinghai Province, Maduo County (33◦50′ N–96◦50′ E to
35◦40′ N–99◦20′ E) has a dimension of 228 km by 207 km, covering an area of 25,253 km2

(Figure 1). It has a frigid alpine continental climate, with the annual temperature averaging
only 1.2 ◦C. This perennially low temperature regime causes the growing season to be
limited to June–September. Most of the county lies between 4500 and 5000 m a.s.l., at which
there is no distinct seasonality. Distributed atop the tall mountains are snow and glaciers.
Natural vegetation at lower elevations comprises mostly alpine meadows, with grasslands
making up 87.5% of the entire county, including marshy and swampy meadows [22].

Figure 1. Location of the study area in Qinghai Province, West China.

Maduo receives an annual rainfall of only 303.9 mm per annum, a fraction of the
annual evaporation of 1260 mm. Despite this huge deficit, it is bountiful in water resources
owing to the injection of water via numerous rivers. In addition, thousands of freshwater
lakes are distributed throughout the County at a combined area of 1674 km2. Associated
with the rivers, lakes, and glaciers are swampy meadows of various sizes and types. These
swampy meadows are inherently fragile and vulnerable to degradation due to the harsh
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environment (e.g., strong solar radiation and winds, low precipitation). Swampy meadows
have declined in the past, even though they have showed signs of recovery over recent
years [10]. This county was selected for study because it encompasses a variety of swampy
meadows. The high elevation of the county makes them extremely sensitive to topography
and external disturbance. More importantly, the swampy meadows of this area have been
widely degraded to various levels as a consequence of overgrazing and climate change [27].
If not properly managed, meadow degradation will worsen with more swampy meadows
eventually lost to become ordinary meadows.

3. Grading of Swampy Meadow Degradation Severity

3.1. Swampy Meadow Types

Inland swampy meadows have been classified as alpine, lacustrine, riverine, and
swampy based on wetland hydrology, plants, and soil [28]. Since the swampy meadows
on the Qinghai–Tibet Plateau have drastically differing internal structures, such a broad
classification is not conducive to revealing how they can be properly restored in case
of degradation. In particular, no consideration is given to their geomorphic uniqueness.
This deficiency has been overcome with the hydro-geomorphic classification in which
these swampy meadows are categorized into valley, terrace, floodplain, piedmont, alpine,
lacustrine, and riverine [29]. Alpine swampy meadows are small, irregularly shaped
marshy meadows distributed in the middle and lower slopes on a tall mountainside.
Confined to the bottom of a valley, valley swampy meadows are flanked by mountains or
mountainous ranges on both sides, or partially encircled by them if they join. Piedmont
swampy meadows are located at the foot of a mountain (range) that has a gentler slope than
the mountain slope. Very extensive in area, they usually lie parallel to the mountain (range)
in an elongated shape. Floodplain swampy meadows are distributed on a floodplain of a
river between the terrace and the channel. Terrace swampy meadows are situated on the
higher river terrace due to tectonic activities or channel incision. Spatially, they are further
away from the channel than floodplain swampy meadows. Both floodplain and terrace
swampy meadows are hydrologically replenished by the river water during flooding.
Lacustrine swampy meadows refer to the narrow band of the land–water interface of lakes,
within which grassy plants are distributed. Thus, the deeper water devoid of grasses is
excluded from consideration. Riverine swampy meadows are those small grassy wetlands
located amid inactive or stagnant channels or in the riverbank.

3.2. Selection of Degradation Indicators

Selection of the most appropriate degradation indicators is a prerequisite to con-
structing a reliable and reasonable grading scheme of degradation severity. Yu and Zhou
developed a wetland degradation geoindicatior system involving cause indicators, state
indicators, and result indicators [30]. The state and result indicators are identified as land
degradation, reduced water reserve, and vegetation degradation [31]. Although vegetative
cover and aboveground biomass are significantly lower in degraded swampy meadows
than at intact sites [6], biomass is not a reliable indicator due to the varying proportion
of surface water area in a swampy meadow. In contrast, the composition of the plant
community and the emergence of indicator species are useful clues for assessing swampy
meadow degradation [6]. For example, Kobresia tibetica is dominant in intact swampy
meadows, but is replaced by Pedicularis at the advanced stage of degradation. The advent
of a completely new plant community comprising mostly pioneer species and alien species
is a sure sign of peatland degradation [32].

Denudated ground area and vegetation cover can be used to predict meadow con-
dition and associated ecological thresholds [33]. The percentage of vegetative cover and
soil moisture are more reliable indicators than pika burrow density, even though neither is
perfect [34]. Based on these findings, four indicators (vegetation, hydrology, soil erosion,
and pika damage) were selected for grading the degradation severity of swampy meadows
(Table 1). As the most sensitive indicator, vegetation encompasses two subvariables of
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cover (%) and species composition. A low cover indicates a high severity of degradation.
The presence of Kobresia tibetica signifies a sound state. The advent of drought-tolerant
species that have replaced it suggests severe degradation. Similarly, hydrology also encom-
passes two subvariables of water reserve and soil moisture. An abundant water reserve is
indicative of a healthy state while a dry surface with a moisture content of 25–40% signifies
that the swampy meadow is under stress (Table 1). In case of reduced water reserve, the
soil moisture at 10 cm below the surface is also used. Soil conditions are indicative of the
bioproductivity of degraded swampy meadows and their potential for recovery. The more
damage is done to the sod layer, the more likely the underlying soil will be eroded, and the
more vulnerable the remaining vegetation will be to erosion, all diminishing the chance of
vegetation regeneration and growth, a sign of severe degradation. As a kind of external
disturbance to the swampy meadows, pikas (Ochotona curzoniae) are an active agent in
exacerbating swampy meadow degradation [27]. Pika damage accelerates degradation
from the slight to the advanced stage quickly [35]. Since it is difficult to accurately census
pika population, the density of active pika burrows was used as a proxy for this indicator.

Table 1. Indicators of plateau swampy meadow degradation and criteria for grading degradation
severity of swampy meadows in the study area.

Severity Level
Vegetation Hydrology

Soil Erosion
Pest Damage (Pika

Burrows/9 m2)Cover (%) Indicator Species * Water Reserve Moisture Content at 10 cm

Reference >90 K. tibetica Ponds & pools >50% Absent <1

Slight >80 K. pygmaea, K humilis Small pools >40% Sod layer damaged 2–3

Moderate ≥50 Poaannua, Stipacapillata Wet surface ≥25% Piles of loosened soil 4–5

Severe <50 Pedicularis Dry surface <25% >50 sod layer gone ≥5

*: The exact indicator species vary with wetland type. These are based mostly on swampy meadows.

3.3. Grading of Degradation Severity

After the indicators of swampy meadow degradation have been selected, criteria must
be established to grade degradation severity that is enumerated at four levels of intact,
slight, moderate, and severe (Table 1). Intact refers to the original, ideal, pristine state of
swampy meadows with few signs of external disturbance (Figure 2A). It can serve as the
reference state, against which the degradation severity of the same type of swampy meadow
is judged. Intact swampy meadows are healthy with abundant forage (mostly Kobresia
tibetica) for productive grazing. Occasionally, there may be one pika burrow present, but it
is mostly innocuous as the soil surrounding it is still not affected. Slight degradation means
an 80–90% cover of mostly Kobresia pygmaea and K. humilis vegetation. Surface water is also
reduced to small pools with a corresponding drop in soil moisture (Figure 2B). Some of
the original soil has been exposed by pika whose burrows are numbered 2–3 per 9 m2. By
the moderate stage of degradation, surface vegetation cover is reduced further to about
50% (Figure 2C). Although the swampy meadow surface is still wet, the moisture content
at 10 cm below the surface drops to just above 25%. By this stage, pika burrow density
has risen to 4–5 per 9 m2. Pika have caused noticeable damage to the soil and partially
destroyed the top crust. At the severe stage, <50% of the original vegetation remains, with
the remaining vegetation either disappeared or replaced by exotic, unpalatable species of
grass, such as Pedicularis (Figure 2D). The meadow surface is rather dry with a moisture
content <25%. The original turf has been mostly eroded, resulting in a low soil fertility. In
extreme cases, only pebbles and sands are left behind, within which pika burrows total
more than 5 per 9 m2.
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(A) (B) 

  
(C) (D) 

Figure 2. Typical severity levels of swampy meadow degradation in the study area. The original
state (A) can be used as the reference state against which the severity level of degradation is judged
(Table 1). (A) Intact; (B) Slight degradation; (C) Moderate degradation; (D) Severe degradation.

4. Data and Analysis

4.1. Data Collection

Field work was carried out in late August of 2011. Swampy meadows distributed in
a diverse range of elevations were sampled, subject to site accessibility. In total, samples
were collected at 106 randomly selected sites encompassing all seven types of swampy
meadows. Sample size is proportional to swampy meadow prevalence. Namely, the
more predominant types of swampy meadows are better represented in the samples (e.g.,
having a larger sample size) than the rare ones. At each site, the swampy meadow type was
identified first. Afterwards, a sample plot of 3 m by 3 m in size was randomly laid out on the
ground. Together with surface water area, vegetative cover within it was estimated visually
to an accuracy of 5% by three experts independently, and the average of the three estimates
was used as the final result. The grass species and their richness were recorded. After
the number of pika burrows was counted, the soil condition (e.g., portion of denudated
patches and the remaining sod layer) was assessed, and the slope gradient measured. The
surface morphology was identified as one of three forms (linear, concave, and convex),
with the general morphologic setting (e.g., curvature) noted. At each site, soil moisture
was measured at 10 cm below the surface using the Delta-T ML2x ThetaProbe sensor to an
accuracy of ±1%. The measurement was replicated thrice at three spots within each plot,
and the mean was used as the final reading. Finally, the location of each site was logged
with a Garmin GPSmap 60 CSx receiver in the stationary mode. Owing to the absence of any
obstruction (e.g., no trees and no buildings nearby), horizontal positions were logged at the
best accuracy of <10 m, and the vertical height had a much lower accuracy (GPS readings
were not differentially corrected, only averaged).
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4.2. Data Analysis

The collected data were analyzed to grade the degradation severity at each site into
one of the four levels (Table 1). In order to compare the PtD of different types of swampy
meadows objectively, the observed number of swampy meadows at each severity level was
converted to a numerical weight (e.g., s4 = severe, s3 = moderate, s2 = slight, s1 = intact).
PtDj of swampy meadow type j(j = 1, 2,.., 7) in a given year was calculated from the summed
product of weighted severity of degraded sites (si) and their quantity, divided by the total
number of sampling sites Nj, namely:

PtDj = Σ( si × ni)/Nj (1)

where ni refers to the number of sites at a given severity i (i = 1, 2, 3, 4); si is the weight
assigned to the severity (e.g., s4 = 4, s3 = 3, s2 = 2, s1 = 1) (Table 2).

Table 2. The observed number of sampled swampy meadows (ni) that have been degraded to various
severity levels (si), the calculated PtD score by swampy meadow type, its mean elevation, and the
numerical value assigned to surface morphology of the seven types of swampy meadow for the
purpose of regression analysis.

Swampy Meadow
Type

Severity of Degradation (si)
Sum
(N)

PtD ScoreIntact
(1)

Slight
(2)

Moderate
(3)

Severe
(4) Elevation (m) Morphology

Tendency
to Degrade

Terrace * 2 3 5 3.60 4248 0.2

Alpine 2 3 2 7 3.00 4310 0.05 Vulnerable

Piedmont 10 8 2 7 27 2.22 4269 0.3
Floodplain 6 3 4 2 15 2.13 4243 0 Stable

Valley 7 1 8 1.13 4252 −0.5
Lacustrine 23 5 1 1 30 1.33 4230 −0.2 Resilient
Riverine 12 2 14 1.14 4221 −0.3

*: Since terrace swampy meadows have been degraded to the moderate level and beyond, they are virtually
ordinary meadows and, hence, excluded from further analysis.

The proposed PtDj index was validated against the rate of swampy meadow change
during 1990–2013 via regression analysis. It was determined from overlay analysis of
swampy meadow distribution maps visually interpreted from multitemporal Landsat
satellite images in a geographic information system (for more information, refer to [22]).
After the elevation of the same type of swampy meadow samples was averaged, the
influence of elevation and surface morphology on PtD was statistically analyzed through
regression analysis individually. Prior to the analysis, each type of linear, concave, and
convex surfaces was assigned a weight proportional to its ability to retain water within
the swampy meadow. Namely, a positive value was assigned to a convex surface (e.g.,
piedmont swampy meadow) as it causes water/moisture to diverge from the swampy
meadow, reducing its water reserve and increasing its propensity to degrade. Conversely,
a negative value was assigned to a concave surface because it facilitates convergence of
water/moisture to the swampy meadow. The exact value was proportional to surface
curvature (Table 2). A more concave morphology (e.g., valley) receives a higher weight. A
weight of 0 was assigned to linear or flat surfaces that neither encourage nor discourage the
accumulation of water within the swampy meadow, such as floodplain swampy meadows
(Table 2).

5. Results

5.1. Propensity for Degradation by Swampy Meadow Type

Of all the samples, lacustrine swampy meadows are the most represented (30), fol-
lowed by piedmont (27), while terrace (5), alpine (7), and valley (8) are less represented
due to their subordinance in the landscape (Table 2). A swampy meadow type is construed
to be more prone to degradation if it has a higher proportion of more severely degraded
sample sites and vice versa. The calculated PtD score (Table 2) ranges from 1.13 for valley
swampy meadows to 3.60 for terrace swampy meadows. Valley, lacustrine, and riverine
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swampy meadows are the least prone to degradation with a PtD value < 1.5 (Table 2).
They are considered resilient. Except for lacustrine swampy meadows, they have not been
degraded beyond the moderate level. Lacustrine swampy meadows have been degraded
to all three levels, even though those moderately and severely degraded ones are truly rare,
accounting for only 6.7% of the total. The degradation was caused and exacerbated by the
frequent trampling of livestock along lakeshores, as deducted from their hoof prints on the
ground. Such differential PtD is attributed to water reserve. Both riverine and lacustrine
swampy meadows have a large water reserve that enables them to withstand short-term
environmental fluctuations without showing obvious signs of degradation. Moreover,
the lakeshores and riverbanks are not prone to pika attacks because pika burrows can be
easily inundated during rains or flooding. Valley swampy meadows are not so prone to
degradation because of their relative abundance of water. The high moisture content of the
ground makes them immune to pika attacks.

Piedmont and floodplain swampy meadows are considered stable as they have a PtD
value between 2 and 3. Both have experienced degradation at all severity levels (Table 2),
with moderately and severely degraded swampy meadows comprising roughly one third
of the total sites. Their moderate vulnerability is attributed to their low water reserve and
limited chances of hydrologic replenishment. Although floodplain swampy meadows have
a higher water reserve, they are not rehydrated frequently. Apart from the direct recharge
by rainwater, their primary source of replenishment is river water during infrequent
flooding. In contrast, piedmont swampy meadows are constantly replenished via surface
and subsurface inflows from upland. However, there is also a high rate of outflow.

Terrace and alpine swampy meadows are the most vulnerable and prone to degra-
dation with a PtD value ≥ 3 (Table 2). Terrace swampy meadows are the most degraded
due to their remoteness from the water flow from upslopes. Their high ground from the
river channel means that they have a limited chance of being replenished by river water
even during flooding. Although saturated with moisture, alpine swampy meadows are still
prone to degradation for three reasons despite the fact they are the least subject to grazing
due to their high elevation. First, their small extent and a highly limited water reserve
make them sensitive to climate fluctuation. A minor drought can trigger degradation. Once
their moisture level drops below a certain threshold, alpine swampy meadows become the
ideal candidate for pika attacks. Second, they are located at the steepest terrain among all
types of swampy meadows. Any effects caused by external disturbances are magnified
disproportionately here and can trigger severe degradation easily. Third, located at the
highest elevation among all the types of swampy meadows (Table 2), they have the smallest
moisture/water contributing area.

5.2. Validation of the Propensity to Degrade Index

The observed PtD of the six types of swampy meadows (terrace swampy meadows
were excluded from further study because they did not experience any change, e.g., no
change from swampy meadow to ordinary meadow) is correlated closely with their annual
rate of change during 1990–2013 (Figure 3) that had been detected from satellite images [22].
The regression relationship between the two can be represented as:

Annual rate of change = 12.31 − 9.009PtD (R2 = 0.916) (2)

The negative coefficient of 9.009 means that those swampy meadows having a larger
PtD will be lost at a higher rate than those with a lower PtD. This close relationship indicates
that the derived PtD is credible as it can show the propensity of a swampy meadow to
degrade. Namely, those swampy meadows more prone to degradation disappeared at
a faster pace than those having a lower PtD value during 1990–2013. Conversely, those
more resilient ones actually gained more. For instance, alpine swampy meadows having
the (second) highest PtD score of 3 suffered the highest rate of loss at 16 km2 per annum
(Figure 3). Having the lowest PtD score of 1.13, valley swampy meadows expanded by
3.3 km2 annually. They are only one of the two types of swampy meadows whose area
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increased during 1990–2013. Given their high mean elevation of 4252 m, their area should
have shrunk instead of expanded. The explanation is the climate-enhanced melting of
glaciers and possibly permafrost that causes more water to converge on the valley floor. The
warmed climate in this region over the last two decades [22] accelerated snow melting and
permafrost thawing, both of which facilitated the expansion of valley swampy meadows.

Figure 3. Regression relationship between the annual rate [(Area2013–Area1990)/(2013–1990), unit: km2

per annum] of swampy meadow change during 1990–2013 derived from satellite images [22] and
the derived propensity for degradation. A-alpine; F-floodplain; L-lacustrine; P-piedmont, R-riverine;
V-valley (the same in Figures 4 and 5).

The high R2 value (0.916) of Equation (2) validates that the derived PtD is able to reveal
the propensity of swampy meadows to change reliably. It can be used to predict future
changes based on the past environmental settings. In addition, the degradation indicators
and the severity grading criteria in Table 1 used to derive the PtD score are appropriate
and reasonable. They should be applicable to other areas with a similar setting.

5.3. Influence of Topographic Variables on Degradation Propensity

The influence of topographic variables on the propensity of a swampy meadow type
to degrade verbally described above was quantitatively analyzed, and the results are
presented in this section. As shown in Figure 4a, the propensity of a given type of swampy
meadow to degrade is related positively to its mean height (R2 = 0.746, p = 0.027):

PtDH = 0.0202Height − 84.273 (R2 = 0.746; p = 0.027) (3)

The relationship between height and PtD is perfect for alpine, piedmont, lacustrine,
and riverine swampy meadows (Figure 4a). As elevation rises, their PtD also rises linearly.
The lowest propensity occurs in lacustrine and riverine swampy meadows whose elevation
is lower than 4230 m a.s.l., while alpine swampy meadows are the most prone to change
because of their highest elevation (≥4269 m a.s.l.) among all the swampy meadow types.
This importance of elevation to PtD is consistent with the finding that changes in elevation
will reduce habitat quality within the salt marshes in the San Francisco Estuary [36].
Nevertheless, the regression model is marred by two anomalies, the unusually low PtD of
valley swampy meadows, and the slightly above the propensity trend of floodplain swampy
meadows. Given their rather high elevation (4252 m a.s.l.), valley swampy meadows should
receive a higher PtD score than their elevation suggests of 1.13 while floodplain swampy
meadows’ PtD should be lower than the current PtD value of 2.13 due to their lower
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elevation (4243 m a.s.l.). These anomalies can be explained by the surface morphology to
be discussed below.

 
(a) 

 
(b) 

Figure 4. Regression relationship between propensity to degrade (PtD) and topographic features for
six types of swampy meadows. (a) Mean height (m) above sea level; (b) surface morphology.

If PtD is nonlinearly estimated from the weighted surface morphology, 69.6% of its
variations can be accounted for by surface morphology (Equation (4)). This proportion is
5.0% lower than that of height. Hence, elevation is a more reliable predictor of a swampy
meadow’s PtD than surface morphology. The same conclusion can be drawn from the
larger p value (0.039 versus 0.027). As shown in Figure 4b, riverine, lacustrine, and valley
swampy meadows located in a concave topography all possess a low degree of PtD, which
is explained by the accumulation of melted snow and glacier water converging inside them.
In contrast, alpine and piedmont swampy meadows deviate from the general trend widely
owing to their indistinct morphology or unusually high elevation.

PtDM = 1.938e1.199Morphology + 2.0484 (R2 = 0.696, p = 0.039) (4)
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6. Discussion

6.1. PtD and Topography

The established relationship between PtD and topography can be traced to wa-
ter/moisture movement and water balance on a slope and in the catchment. Both are
inherently affected by elevation in that water/moisture always flows from a higher ground
to a lower one. A higher elevation is synonymous with a smaller catchment size and,
hence, lower chances of rehydration. Admittedly, a swampy meadow at a higher elevation
is grazed less intensively than its counterpart at a lower elevation, the reduced biomass
exerts only a secondary impact on water reserve through evaporation in comparison with
temperature. A lower elevation corresponds to a warmer temperature regime that enhances
evaporation. Thus, elevation exerts the most direct influence on moisture availability
and distribution at the local (e.g., watershed) scale and is, thus, the primary influential
controller of PtD of plateau swampy meadows. Dissimilar to elevation that affects all types
of swampy meadows indiscriminately, morphology dictates the local movement of water
and moisture on a slope for only certain types of swampy meadow selectively.

6.2. Reference State of Degradation

Since intact swampy meadows can serve as the reference state of degradation, naturally,
the PtD of a given type of swampy meadow can also be judged from the ratio of the number
of degraded swampy meadows to the total number of observed swampy meadows. The
portion of degraded swampy meadows out of the total samples (%) is treated as the
dependent variable in another regression analysis (Figure 5). This variable achieved a high
R2 value of 0.735 (p = 0.029). This value is rather similar to, but slightly lower than, the
0.746 achieved by PtD. In the scatterplot, the position of the six types of swampy meadows
in relation to the general trend is identical to that in Figure 4a. Therefore, the percentage of
degraded sites is also a reliable indicator of the tendency of a swampy meadow to degrade,
even though it is not as accurate as the PtD. The exact way of expressing degradation
severity (e.g., enumerated in two versus four levels) does not alter the influence of elevation
on a swampy meadow’s PtD.

Figure 5. Regression relationship between the ratio of degraded swampy meadow sites to the total
sampled sites (%) with their mean height among the six types of swampy meadow.

Due to the lack of the reference state, the 106 samples cannot be analyzed individually
in a way similar to Equations (2) and (3). In fact, such regression relationship between
topography and PtD may not exist at the individual swampy meadow level because the
properties of one type of swampy meadows may overlap with those of another owing to
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the spatial variation in their topographic features. The relationship becomes more apparent
and definite after swampy meadows are grouped by their hydro-geomorphic properties.
This grouping is conducive to revealing the topographic influence on the PtD of swampy
meadows by type.

7. Conclusions

Derived from swampy meadow degradation severity based on the consideration of
vegetation, hydrology, soil erosion, and pika damage, the proposed PtD index of plateau
swampy meadows can predict their tendency of change by swampy meadow type in the
study area reliably. This conclusion is backed by the close correlation of the calculated PtD
score with the 1990–2013 annual rate of swampy meadow change detected from satellite
images (R2 = 0.916). The swampy meadows with a higher PtD index value shrank more
while those with a lower PtD actually expanded. Of the seven types of swampy meadows,
terrace and alpine swampy meadows are vulnerable to degradation judging by their highest
PtD value. Both piedmont and floodplain swampy meadows are stable with a moderate
PtD value. By comparison, valley, riverine, and lacustrine swampy meadows are resilient in
having the lowest value. Such differential PtD is explained mostly by topography. The PtD
of a given type of swampy meadow is related inversely to its mean elevation (R2 = 0.746,
p = 0.027). Elevation is a more effective predictor of the PtD of a swampy meadow type
than surface morphology that explains only 69.6% of the variation in PtD (p = 0.039), 5%
lower than elevation (p = 0.027). The level of degradation severity enumeration exerts little
influence on the relationship between the mean elevation of a swampy meadow and its PtD.
The findings of this study have practical value for proper meadow resource management
in that those swampy meadows with a higher PtD value should be grazed less intensively
to prevent them from degrading and to achieve sustainable animal husbandry.
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Abstract: Climate and topography are influential variables in the autumn senescence of grassland
ecosystems. For instance, extreme weather can lead to earlier or later senescence than normal, while
higher altitudes often favor early grass senescence. However, to date, there is no comprehensive
understanding of key remote-sensing-derived environmental variables that influence the occurrence
of autumn grassland senescence, particularly in tropical and subtropical regions. Meanwhile, knowl-
edge of the relationship between autumn grass senescence and environmental variables is required
to aid the formulation of optimal rangeland management practices. Therefore, this study aimed to
examine the spatial autocorrelations between remotely sensed autumn grass senescence vis-a-vis
climatic and topographic variables in the subtropical grasslands. Sentinel 2′s Normalized Difference
NIR/Rededge Normalized Difference Red-Edge (NDRE) and the Chlorophyll Red-Edge (Chlred-
edge) indices were used as best proxies to explain the occurrence of autumn grassland senescence,
while monthly (i.e., March to June) estimates of the remotely sensed autumn grass senescence were
examined against their corresponding climatic and topographic factors using the Partial Least Square
Regression (PLSR), the Multiple Linear Regression (MLR), the Classification and Regression Trees
(CART), and the Random Forest Regression (RFR) models. The RFR model displayed a superior
performance on both proxies (i.e., RMSEs of 0.017, 0.012, 0.056, and 0.013, as well as R2s of 0.69,
0.71, 0.56, and 0.71 for the NDRE, with RMSEs and R2s 0.023, 0.018, 0.014 and 0.056, as well as 0.59,
0.60, 0.69, and 0.72 for the Chlred-edge in March, April, May, and June, respectively). Next, the
mean monthly values of the remotely sensed autumn grass senescence were separately tested for
significance against the average monthly climatic (i.e., minimum (Tmin) and maximum (Tmax) air
temperatures, rainfall, soil moisture, and solar radiation) and topographic (i.e., slope, aspect, and
elevation) factors to define the environmental drivers of autumn grassland senescence. Overall, the
results indicated that Tmax (p = 0.000 and 0.005 for the NDRE and the Chlred-edge, respectively),
Tmin (p = 0.021 and 0.041 for the NDRE and the Chlred-edge, respectively), and the soil moisture
(p = 0.031 and 0.040 for the NDRE and the Chlred-edge, respectively) were the most influential
autumn grass senescence drivers. Overall, these results have shown the role of remote sensing
techniques in assessing autumn grassland senescence along climatic and topographic gradients as
well as in determining key environmental drivers of this senescence in the study area

Keywords: autumn senescence; grass; climate; remotely sensed; topographic factors

1. Introduction

Climate and topography are key drivers of plant phenology in terrestrial environ-
ments [1–7]. Their variability often influences the occurrence, rate, and duration of key
phenological stages such as the autumn grassland ecosystem senescence. For instance, [6]
noted a variation in the start of grass senescence in the low-lying Inner Mongolian grass-
lands than the higher Qinghai-Tibetian Plateau. However, the extent and significance of
the overlaps between autumn grass senescence and environmental factors such as climate
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and topography have not been established, especially from a remote sensing point of
view. Meanwhile, understanding the relationship between autumn grass senescence and
environmental variables is vital, given that senescence markedly decreases photosynthetic
activities and plant productivity [8], which, in turn, affects forage quality, production, and
availability. Lwando Royimani et al. [9] also noted that senescence can either extend or
reduce the floral species growing season with serious implications on forage productivity.
In addition, studies [9–11] have noted the socioeconomic and ecological impact of grassland
senescence including their regulatory role in the climate–biosphere interactions and poten-
tial contribution to land degradation [6]. Given the importance of rangelands and livestock
farming for subsistence and commercial purposes, particularly in the developing world [2],
knowledge on the implications of senescence on forage productivity in response to climatic
and topographic gradients is increasingly becoming a need. This information is required
to monitor the impact of autumn senescence on forage productivity [12], hence guiding
planning and decision-making on, among others, grazing patterns and stock densities.

Useful assessment of the links between the occurrence of autumn grassland senescence
and environmental variables at a landscape-scale requires repeated observations acquired
at extensive spatial extents. However, the commonly used methods for assessing plant
senescence, such as visual scoring, which monitors changes in leaf color and fall [11], do
not effectively satisfy these requirements. Furthermore, these methods are generally not
objective and suffer from the time lag effect [13]. Contrarily, remote sensing techniques offer
repeated synoptic viewing of the Earth’s surface [14–16], which may benefit the assessment
of the spatial autocorrelations between grass senescence and environmental factors during
the autumn season. Although many studies have examined plant senescence dynamics
based on remote sensing techniques [13,17,18], few have focused on the interactions be-
tween autumn senescence and environmental parameters. For instance, [6] assessed the
impact of temperature, insolation, and precipitation during the dormancy stage on China’s
temperate biomes using the Normalized Difference Vegetation Index (NDVI) derived over
a 30-year period (1981–2011) from the Global Inventory Modeling and Mapping Studies
(GIMMS). Their findings showed that temperature is a decisive factor to the end of the
growing season. However, the study was generalized across biomes; hence, it did not
offer an opportunity for a greater understanding of the autumn-senescence-environmental
factors relationship in grassland environments, particularly in the subtropical regions.

In addressing this knowledge gap, the current study examines the spatial autocorrela-
tions between remotely sensed autumn grass senescence and environmental parameters
(i.e., climatic and topographic factors) in the subtropical sour-veld grasslands of the Mid-
lands region, KwaZulu-Natal, South Africa, where autumn senescence is a key factor of
forage productivity [9]. Such information is critical to ascertain the understanding of the
dynamics around the occurrence of autumn grass senescence and to accurately determine
grass wilting for improved planning and decision-making on grazing patterns and overall
rangeland management. Specifically, a better understanding of the influence of environ-
mental factors on autumn grass senescence will help improve the projection of the onset
and duration of autumn grassland senescence, hence reliably determining the period of
low- and poor-quality forage for grazing while minimizing the subsequent impact on
livestock and wildlife. To achieve this aim, this study adopted two Sentinel-2-derived
vegetation indices (i.e., the Normalized Difference NIR/Rededge Normalized Difference
Red-Edge (NDRE) and the Chlorophyll Red-Edge (Chlred-edge)) that have been identified
as the best proxies for explaining the occurrence of autumn grassland senescence within
the study area [10]. Remotely sensed monthly (i.e., March to June) estimates of the au-
tumn grass senescence were assessed for sensitivity against their corresponding climatic
(i.e., minimum (Tmin) and maximum (Tmax) air temperatures, soil moisture, solar radiation,
and rainfall) and topographic (i.e., slope, aspect, and elevation) factors using the Partial
Least Squares Regression (PLSR), the Multiple Linear Regression (MLR), the Classification
and Regression Trees (CART), and the Random Forest Regression (RFR) models. Next,
monthly averages of the remotely sensed autumn grass senescence were tested against
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monthly mean values of the climatic and topographic variables using Pearson’s product-
moment correlation approach to understand possible environmental drivers of the autumn
grass senescence. We hypothesized that the occurrence of autumn grass senescence in this
area can be explained by the dynamics in the micro-climatic and topographic gradients.

2. Materials and Methods

2.1. The Study Site

The study area is situated in Vulindlela, KwaZulu-Natal, South Africa (Figure 1). The
total size of the area is 112 km2 and is characterized by rigid terrain with an elevation
ranging between 1273 and 1412 m above sea level (m.a.s.l). The soils are generally loam
with random rocky surfaces. Average annual rainfall is around 900 mm [19,20] with
mean annual minimum and maximum air temperatures of 6 ◦C and 22 ◦C in winter and
summer, respectively. Vegetation is mesic subtropical grass, dominated by the Ngongoni
(Aristida junciformis) of the sour-veld, a mixture of non-native grass species and a random
distribution of wattle and pine [10]. Sour-veld grasses are reported to lose their quality
through senescence, thus significantly affecting their grazing importance [9]. In addition,
grasses in the study area are subjected to regular and uncontrolled livestock grazing
patterns, which may have serious implications on the forage. Moreover, irregular fire
occurrences are common, especially during the winter season when the grasses are dry due
to senescence, in turn affecting forage availability.

 

Figure 1. Location of the study area in Vulindlela, KwaZulu-Natal, South Africa and sampling sites.

2.2. Field Data Collection

A purposive sampling approach was used to establish 110 plots measuring about
10 m by 10 m and their center coordinates recorded. The plots were designed to provide a
representation of the topography of the study site, particularly with regard to the elevation,
aspect, and slope. For instance, some plots were created in low, middle, and high altitudinal
areas while considering the effect of south-, east-, west-, and north-facing slopes. Equally,
we considered the effect of the slope gradient whereby some plots were designed on steeper
while others on gentle slopes. Soil moisture content readings were collected monthly
within the plots using the ML3 ThetaProbe Soil Moisture Sensor between the 20 March and
30 June 2021. The ML3 ThetaProbe Soil Moisture Sensor measures soil moisture from
the Earth’s surface to the depth of 7 cm and the measurements are often expressed in
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percentage per volumetric water content (%/VWC) [21]. In this study, five measurements
were randomly taken within each plot and averaged to obtain a value for the plot, and the
points ultimately added up to 110 monthly values. Subsequently, we created four monthly
point maps of the soil moisture with the corresponding coordinate points for the months of
March, April, May, and June.

2.3. Remotely Sensed Autumn Grass Senescence

Two vegetation indices (i.e., the NDRE and the Chlred-edge), identified as the best
proxies in explaining the occurrence of autumn grassland senescence in this area, were
adopted [10]. These indices were derived from monthly Sentinel 2 images acquired using
the Copernicus Open Access Hub data repository between the 29 March and 25 June 2021.
Formulas for these indices are given in Equations (1) and (2). For detailed explanation on
the establishment and validation of the named indices, readers are directed to [10]. The
considered indices were derived on a monthly basis representing March, April, May, and
June 2021. In total, eight vegetation index maps were generated, with four monthly indices
generated using the NDRE and the Chlred-edge.

NRE = NIR − rededge/NIR + rededge (1)

where NIR is the Near-Infrared band and rededge is the red-edge (band).

Chlred-edge = (R0.705 − R0.740)/(R0.783 − R0.740) (2)

where R0.705 and R0.783 correspond to the boundary wavebands while R0.740 denotes the
center waveband of the red-edge section.

2.4. Climatic and Topographic Variables

Daily rainfall and minimum (Tmin) and maximum (Tmax) air temperature data for the
study area were acquired from the South African Weather Service (SAWS). The daily rainfall
and temperature values were aggregated to obtain monthly records. However, these data
were provided as point data for the city of Pietermaritzburg, hence being inadequate for
analysis. Therefore, additional monthly Tmin and Tmax and rainfall data were downloaded
from the KwaZulu-Natal Sugarcane Research Institute (KZN-SRI) website. Whereas the
KZN-SRI has many weather stations distributed throughout the province of KwaZulu-
Natal, we only used data from 22 stations that are surrounding the study site. The 22
weather stations are in a radius of 10 to 70 km from the central point of the study area
across the eastern, northern, southern, and western directions. Next, we interpolated the
combined KZN-SRI and SAWS data using the Inverse Difference Weighted (IDW) technique
in ArcGIS 10.7 to generate a comprehensive Tmin and Tmax as well as rainfall data for the
study site. Detailed descriptions of the topographic and climatic factors used are given in
Table 1.

Table 1. Topographic plus climatic variables used in this study.

Variable Units of Measurement Source

Topographic factors
Aspect Degrees North (◦N) ASTER DEM

Elevation Miters (m) ASTER DEM
Slope Degrees (◦) ASTER DEM

Climatic factor
Tmin Degrees Celsius (◦C) SAWS, KZN-SRI
Tmax Degrees Celsius (◦C) SAWS, KZN-SRI

Rainfall Millimeters (mm) SAWS, KZN-SRI
Radiation Watts Hours per square meter (Wh/m2) ASTER DEM

Note: ASTER = Advanced Spaceborne Thermal Emission and Reflection Radiometer, DEM = Digital Elevation Model.
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Aspect, slope, elevation, and radiation were derived from a 30 m Digital Elevation
Model (DEM) in ArcGIS. Specifically, aspect and slope were, respectively, calculated using
the aspect and slope functions under the surface tools in Spatial Analysis Tools, ArcGIS 10.7
(Environmental Systems Research Institute (ESRI), Johannesburg, South Africa). Similarly,
radiation was derived using the Area Solar Radiation extension found under surface tools
of the Spatial Analysis Tools, ArcGIS 10.7 (Environmental Systems Research Institute (ESRI),
Johannesburg, South Africa). Studies show that the application of modeled solar radiation
from the DEM is a widely accepted practice in ecological remote sensing [2,22–24].

2.5. Data Processing and Statistical Analysis

To ensure compatibility and consistency in all the monthly maps generated
(i.e., Sections 2.3 and 2.4), we applied the nearest-neighbor resampling approach in ArcGIS
10.7 based on the same resolution. We then overlaid all the monthly vegetation indices
plus topographic and climatic maps with their respective monthly point maps to extract
the corresponding monthly climatic, topographic, and remotely sensed autumn grass
senescence information. Although the total number of the corresponding sampling points
was 110, during data preparation, we discovered that 10 of those were outliers and were,
hence, discarded in the analysis. Ultimately, we generated four spreadsheets with the
monthly climatic and topographic information jointly with corresponding monthly soil
moisture contents and remotely sensed autumn grass senescence values. The four monthly
spreadsheets were further split into eight spreadsheets based on the vegetation index
(i.e., the NDRE or the Chlred-edge) as the predictor variable. The data were separately split
into 80 and 20 for calibration and validation, respectively, and imported into
R version 4.1.3 ([25] R Core Team) for further analysis (R Core Team, Vienna, Austria).
Four popular regression algorithms (i.e., the PLSR, MLR, RFR, and CART) were employed
in each monthly NDRE and Chlred-edge spreadsheet to test the association between the
remotely sensed autumn grass senescence and the climatic factors and topography. A
10-fold-cross validation approach was used at each stage of analysis to evaluate the model
performances based on the obtainable Root-Mean-Square Error (RMSE), the coefficient of
determination (R2), and the Mean Absolute Error (MAE).

2.6. Model Optimization and Identification of Key Environmental Determinants of Autumn
Grassland Senescence

According to the performance of the four popular algorithms employed in Section 2.5,
one superior model was identified using the RMSE, R2, and MAE. The model was identified
by averaging all the RMSEs, MAEs, and R2s obtained throughout the four months of
investigation. The model that yielded the lowest MAE and RMSE jointly with the highest
R2 was determined to be the best and was, hence, selected for the final prediction of
remotely sensed autumn grass senescence with climatic factors and topography. As the
superior algorithm, the RFR was adopted and eight final models were built to individually
relate the monthly remotely sensed autumn grass senescence values (i.e., NDRE and the
Chlred-edge) with their respective monthly climatic and topographic factors. These final
models were optimized by tuning their ntree, mtry, and nodesize values. ntrees ranged
between 300 and 1200, mtrys was between 2 and 16, while nodesizes was set to 1 throughout
the analysis. The final prediction results were judged based on the RMSEs and their R2s.
Next, we averaged all the monthly predictor (i.e., NDRE and the Chlred-edge) and response
(i.e., climatic and topographic) variables. The outcome was a set of two spreadsheets, first
with the NDRE and second with the Chlred-edge as predictors, along with their monthly
averages of topographic and climatic factors. Pearson’s product-moment correlation tests
were conducted in each set of the spreadsheet to determine the sensitivity of each climatic
and topographic factor to the remotely sensed autumn grass senescence. The significance
of each topographic or climatic variable in influencing the occurrence of autumn grassland
senescence was judged by the p-value (p ≤ 0.05).
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3. Results

3.1. Descriptive Statistics

Table 2 provides the descriptive statistics of the remotely sensed autumn grass senes-
cence plus climatic and topographic factors used in this study. Overall, the estimates
of autumn grassland senescence based on the NDRE increased with a decrease in the
Chlred-edge across the four-month period. In addition, there were no significant variations
between the NDRE and the Chlred-edge values of autumn grass senescence from March
to June. However, in March, the values of the NDVI705-based autumn grass senescence
were higher than those of the CHL-RED-EDGE-derived autumn grassland senescence. In
addition, monthly means of all the topographic factors (i.e., aspect, elevation, and slope)
did not show differences across the four-month period, while monthly means of the climatic
variables (i.e., Tmin and Tmax, soil moisture, rainfall, and solar radiation) showed notable
variations. Specifically, the means of the solar radiation, Tmin and Tmax, demonstrated con-
sistent declines throughout the four months, whereas the observable decreases in rainfall
and soil moisture from March to May were followed by an increase in June (Table 2).

Table 2. Descriptive statistics of the data gathered and retrieved for analysis.

Month Variable Min Max Mean Stdv

March

NDRE 0.248 0.532 0.396 0.057
Chlred-edge 0.239 0.519 0.357 0.058

Aspect 7.723 340.649 144.777 87.127
Elevation 1273 1412 1340 30.359

Slope 0.512 19.411 5.702 3.860
Tmax 25.5 25.85 25.65 0.131
Tmin 13.68 14.66 14.13 0.398

Radiation 22,878 232,161 150,843 65,496.12
Rainfall 69.44 87.65 79.39 7.095

Soil moisture 12.5 34.9 22.43 3.764

April

NDRE 0.182 0.477 0.346 0.051
Chlred-edge 0.266 0.562 0.390 0.056

Aspect 7.723 340.649 144.777 87.127
Elevation 1273 1412 1340 30.359

Slope 0.512 19.411 5.702 3.860
Tmax 24.51 25.08 24.78 0.217
Tmin 11.25 12.21 11.71 0.387

Radiation 20,736 256,029 138,918 75,657.96
Rainfall 58.5 64.74 62.04 2.137

Soil moisture 10.1 30.1 16.36 4.505

May

NDRE 0.108 0.291 0.223 0.034
Chlred-edge 0.266 0.562 0.390 0.049

Aspect 7.723 340.649 144.777 87.127
Elevation 1273 1412 1340 30.359

Slope 0.512 19.411 5.702 3.860
Tmax 22.2 22.85 22.51 0.262
Tmin 8.481 9.672 9.057 0.488

Radiation 19,653 304,608 137,763 87,583.85
Rainfall 13.86 15.25 14.64 0.401

Soil moisture 0.685 21.030 11.269 4.289

June

NDRE −0.004 0.203 0.113 0.050
Chlred-edge 0.522 1.076 0.666 0.111

Aspect 7.723 340.649 144.777 87.127
Elevation 1273 1412 1340 30.359

Slope 0.512 19.411 5.702 3.860
Tmax 20.43 21.14 20.77 0.283
Tmin 6.876 7.919 7.379 0.418

Radiation 22,430 303,014 131,301 89,098.69
Rainfall 30.46 37.7 34.34 2.862

Soil moisture 10.8 26.7 18.97 3.898
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3.2. Remotely Sensed Autumn Grass Senescence with Climatic and Topographic Variables

Based on the results from the preliminary analysis (Table 3), the prediction outputs
of the four popular regression models (i.e., the PLSR, MLR, CART, and the RFR) adopted
in the study were generally significant. Specifically, the RFR outperformed all the other
algorithms when using both the NDRE and the Chlred-edge as predictors throughout
the four months considered in this investigation. This was demonstrated by the low
RMSE and MAE with high R2. These results (Table 3) further indicated that the CART
was the second most important algorithm in the four months of analysis. On the other
hand, the performance of the PSLR was generally inferior throughout the various stages of
the analysis.

Table 3. Performance of the adopted algorithms based on the R2, MEA, and the RMSE.

Month
Predictor
Variable

Algorithm RMSE R2 MAE

March

NDRE

PLS 0.046 0.39 0.037
CART 0.042 0.47 0.033
MLR 0.041 0.46 0.032
RFR 0.039 0.50 0.031

Chlred-edge

PLS 0.053 0.38 0.042
CART 0.045 0.45 0.037
MLR 0.046 0.46 0.036
RFR 0.044 0.50 0.035

April

NDRE

PLS 0.038 0.35 0.031
CART 0.034 0.63 0.028
MLR 0.038 0.50 0.030
RFR 0.035 0.62 0.026

Chlred-edge

PLS 0.042 0.34 0.034
CART 0.041 0.42 0.031
MLR 0.043 0.42 0.034
RFR 0.041 0.55 0.032

May

NDRE

PLS 0.024 0.52 0.020
CART 0.024 0.50 0.018
MLR 0.026 0.49 0.021
RFR 0.022 0.53 0.017

Chlred-edge

PLS 0.043 0.30 0.033
CART 0.036 0.46 0.029
MLR 0.043 0.36 0.036
RFR 0.036 0.56 0.028

June

NDRE

PLS 0.041 0.36 0.033
CART 0.046 0.42 0.035
MLR 0.041 0.47 0.034
RFR 0.033 0.68 0.026

Chlred-edge

PLS 0.091 0.35 0.077
CART 0.082 0.53 0.060
MLR 0.101 0.33 0.078
RFR 0.081 0.60 0.058

Moreover, the averaged prediction outputs of the adopted algorithms across the four-
month period of the investigation maintained the findings presented in Table 3 that the RFR
was the most useful model in associating the remotely sensed autumn grass senescence
with climatic and topographic factors (Figure 2). A closer look at Figure 2a–c indicates that
the RFR is the only algorithm that had a low RMSE and MAE with a high R2 followed by
CART. On the contrary, the PLSR displayed inferior performance based on two of the three
model evaluation matrices (i.e., the R2 and the MAE).
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Figure 2. Algorithms’ performances based on the (a) RMSE, (b) MAE, and the (c) R2.

The final RFR models showed an improved explanation of the association between
the remotely sensed autumn grass senescence and topographic and climatic factors when
using both predictors across the four months considered (Table 4). For instance, when
using the NDRE and the climatic and topographic factors in March, the model yielded an
RMSE of 0.017 and an R2 of 0.69 while obtaining an RMSE and an R2 of 0.023 and 0.59,
respectively, when using the Chlred-edge. Likewise, the NDRE recorded an RMSE of 0.012
and an R2 of 0.71 in April, whereas the Chlred-edge produced an RMSE of 0.018 and R2 of
0.60. Similarly, both the NDRE and the Chlred-edge reported RMSEs and R2s of 0.056 and
0.014, as well as 0.56 and 0.69 in May, respectively. Moreover, the NDRE showed an RMSE
and R2 of 0.013 and 0.71, while the Chlred-edge obtained an RMSE of 0.056 and R2 of 0.72
in June, respectively. Important variables for the final prediction models are presented in
Figure 3. The predictive performance of each variable was assessed based on the obtainable
Out of Bag error rate, which increases with significance.

Table 4. Optimal RFR results for the relationships between remotely sensed grass senescence and
climatic factors and topography.

NDRE Chlred-Edge

Month RMSE R2 RMSE R2

March 0.017 0.69 0.023 0.59
April 0.012 0.71 0.018 0.60
May 0.056 0.56 0.014 0.69
June 0.013 0.71 0.056 0.72
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Figure 3. RFR model’s variable importance for assessing the response of remotely sensed autumn
grass senescence against the climatic and topographic factors in (a) March, (b) April, (c) May, and
(d) June.

3.3. Climatic and Topographic Drivers of the Autumn Grassland Senescence

Using the monthly averages of the predictors (i.e., the NDRE and the Chlred-edge)
against the response variables (i.e., topographic and climatic variables), we identified
the key drivers influencing the occurrence of autumn grassland senescence (Table 5). In
general, our findings showed that only the climatic factors were sensitive to the occurrence
of autumn grassland senescence. Specifically, the Tmin and Tmax, jointly with soil moisture,
were identified as the most influential factors in the occurrence of autumn grass senescence,
as shown by their significance levels (p ≤ 0.05). Obtainable R2 values for the three climatic
factors that significantly influence the occurrence of autumn grass senescence were 1.00,
0.98, and 0.81 based on the NDRE and −1.00, −0.96, and −0.78 when using the Chlred-edge,
respectively. Conversely, even though they displayed good R2 values (i.e., between 0.76
and 0.93), the insignificant p-values (p ≥ 0.05) highlighted the poor contribution of these
other climatic variables in explaining the occurrence of autumn grass senescence in the
study area. With regard to the topographic factors, only the slope showed good R2 values
(i.e., −0.80 and 0.75 when using the NDRE and the Chlred-edge, respectively); otherwise,
they were all insignificant when considering the p-values (p ≥ 0.05). Table 5 shows the
contribution of environmental factors on autumn grassland senescence, with significant
variables in bold.

The sensitivity of the topographic and climatic factors in influencing the occurrence
of autumn grass senescence in the study area was further emphasized by the value of the
t-statistics, with higher values signifying the importance and vice versa.

132



Land 2023, 12, 183

Table 5. Correlations between remotely sensed grass senescence and climatic factors and topography.
Influential variables are shown in bold.

Variable
NDRE Chlred-Edge

t-Statistics p-Value R2 t-Statistics p-Value R2

Topographic factors
Aspect −0.597 0.611 −0.39 0.492 0.672 0.33

Elevation 0.163 0.886 0.11 −0.276 0.809 −0.19
Slope −1.865 0.203 −0.80 1.588 0.253 0.75

Climatic factors
Tmax 55.095 0.000 1.00 −14.388 0.005 −1.00
Tmin 6.832 0.021 0.98 −4.806 0.041 −0.96

Radiation 3.502 0.073 0.93 −2.852 0.104 −0.90
Rainfall 1.881 0.201 0.80 −1.661 0.239 −0.76

Soil moisture 6.579 0.031 0.81 −4.461 0.040 −0.78

Figure 4 shows the response of the remotely sensed autumn grass senescence (i.e.,
NDRE and Chlred-edge) to the most influential variables (i.e., Tmin, Tmax, and the soil
moisture). Figure 4a–c illustrate the remotely sensed autumn grass senescence based on
the NDRE, while Figure 4d–f display the remotely sensed autumn grass senescence based
on the Chlred-edge. Overall, the effect of time lag was evident between the occurrence
of autumn grassland senescence and the change in sensitive variables. The NDRE-based
autumn grass senescence indicated a continuous decline with a decrease in both the Tmin
and Tmax during the autumn season. On the other hand, a synonymous decline in the
NDRE-based autumn grass senescence with soil moisture was followed by a sudden
increase in soil moisture in June. Figure 4d–f indicate an inverse relationship between
the Chlred-edge-based autumn grass senescence and the influential variables. Generally,
the consistent drop in Tmin, Tmax, and the soil moisture values was concurrent with the
increasing Chlred-edge-based autumn grass senescence estimates.

 

Figure 4. The responses of the (a–c) NDRE-based autumn grass senescence to (a) Tmin, (b) Tmax,
and (c) soil moisture together with those of the (d–f) Chlred-edge-based autumn grass senescence to
(d) Tmin, (e) Tmax, and (f) soil moisture through time.
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4. Discussion

The present study has shown the value of the multi-temporal remotely acquired
Sentinel 2 satellite data in elucidating the occurrence of autumn senescence along climatic
and topographic gradients in the subtropical sour-veld grassland ecosystems. This has been
a limitation in understanding the dynamics around the occurrence of autumn senescence
as well as the subsequent impact on foraging resource productivity and feed availability in
these regions. Our findings indicated that the occurrence of autumn grassland senescence
in the present study site is controlled by climatic drivers, particularly the soil moisture, Tmin,
and Tmax rather than topographic factors (p ≤ 0.05 in Table 5). Although not pronounced
in the current findings, the sensitivity of air temperature variables (i.e., Tmax and Tmin) in
influencing the occurrence of autumn grassland senescence in the area could be attributed
to the reported extremities of these variables [26]. For instance, the observed consistent
decline in air temperatures (Table 2) is believed to have promoted irregular frost events,
as they are known to be a common phenomenon in the area during this period [27]
and, hence, grass senescence. These results concur with studies indicating that extreme-
temperature conditions affect the natural processes of photosynthetic enzymes and thereby
accelerate or delay chlorophyll deterioration [4,6,28], whereas water shortages are known
to influence plant carboxylation reaction, hence fast-tracking chlorophyll degradation and
plant senescence [1,5,12,29].

Conversely, although solar radiation and rainfall are known to be key climatic factors
influencing plant phenology [2], their impact was not significant (Table 5). However,
these results should be discussed with caution, as the observed poor relationship between
the remotely sensed autumn grass senescence and rainfall and solar radiation may not
be universally constant, i.e., could be site-specific as a result of topographic and micro-
climatic conditions. Specifically, the recorded poor correlation between autumn grassland
senescence and rainfall in this study may possibly be a consequence of the high variability in
rainfall during the same period [26], which could destruct the uniformity in the phenology
of the grass. Similarly, the poor relationship notable between the autumn grass senescence
and solar radiation could be justified by the relatively uniform topography of the study
area, which was observed during field data collection. Meanwhile, our assumption is
that meaningful characterization of the links between the remotely sensed autumn grass
senescence and the incoming solar radiation and topographic factors such as slope, aspect,
and elevation requires heterogeneity in the landscape, which is possible in pronounced
mountainous and valley areas [2], also indicated that heterogeneity in topography promotes
spatial distinction in vegetation phenology regardless of the similarity in the age of the
floral species. Our results further showed the effect of the time lag between the occurrence
of autumn grass senescence and the change in sensitive climatic factors (Figure 4), thereby
suggesting that the chlorophyll breakdown is not concurrent with, but follows the triggering
effect of, the environmental cue. Evidently, the significance of understanding the response of
autumn grassland senescence to changes in climatic and topographic factors cannot be over-
emphasized, particularly in countries such as South Africa, considering the projected shifts
in seasonal patterns [30], which may further alter the current dynamics in phenological
stages such as the autumn grassland senescence, leading to potential forage deficiencies,
especially during dry seasons. With its ability to either shorten or extend the growing
season of the floral species, and hence productivity [8], the understanding of the links
between autumn grass senescence and environmental factors may help to strengthen our
projections on the possible timing and duration of the autumn grassland senescence, which
will, in turn, improve our assessment of fodder bank capacities for quality forage provision.
Whereas this highlights the essence of future research on this subject matter, the emphasis
of such work should be on multi-year studies conducted on heterogeneous terrains, while
fully embracing the potential impact of frost activities in the analysis.

With regard to the performance of the RFR model, our results reinforce the evidence
presented in previous studies that this model is robust when explaining ecological problems
based on remotely acquired datasets [15,31]. Again, although the findings in Figure 3 may
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give an impression that the topographic factors were among the important variables in
April, May, and June, a correct view is that these variables were only important in displaying
the monthly relationship with the tested variables, which does not necessarily reflect the
autumn grassland senescence in our case. According to our approach in this study, the
autumn grassland senescence was explained based on the averaged performance of the
month-to-month contributions of each variable, and the variables that were consistently
significant were identified as the environmental drivers of autumn grassland senescence.

5. Conclusions

The present study examined the relationship between remotely sensed autumn grass
senescence and the climatic factors and topography in the subtropical sour-veld grasslands
of the Midlands region, KwaZulu-Natal, South Africa. The study employed the Sentinel 2
derivatives using the PLSR, MLR, CART, and RFR models, and the RFR model emerged as
the superior model. Among the best of the model outputs, RMSEs of 0.017, 0.012, 0.056,
and 0.013 as well as R2s of 0.69, 0.71, 0.56, and 0.71 for the NDRE, with RMSEs and R2s
of 0.023, 0.018, 0.014, and 0.056 as well as 0.59, 0.60, 0.69, and 0.72 for the Chlred-edge in
March, April, May, and June, respectively, were obtained. The results further showed that
Tmin, Tmax, and soil moisture were the most influential factors in the occurrence of autumn
grassland senescence at the study site. However, the observable poor relationship between
autumn grass senescence and the other climatic factors and topography is believed to be
indicative of the micro-climatic conditions and the relative homogeneity in the topography.
However, given that the study was carried over a season, it does not reflect the possible
year-to-year climatic changes and, hence, cannot be used to draw finality on the relationship
between the tested variables. Therefore, for a conclusive understanding of the overlaps
between autumn grass senescence and climatic and topographic factors, we suggest further
investigation, particularly focusing on multi-year studies conducted in heterogeneous
landscapes and taking into account the effect of frost occurrences in the analysis.
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Abstract: Biodiversity offsets aim to compensate the negative residual impacts of development
projects on biodiversity, including ecosystem functions, uses by people and cultural values. Concep-
tually, ecosystem services (ES) should be considered, but in practice this integration rarely occurs.
Their consideration would improve the societal impact of biodiversity offsets. However, the prioriti-
sation of ES in a given area is still limited. We developed a framework for this purpose, applied in
rangelands landscapes in Kazakhstan, in the context of uranium mining. We assumed that different
landscapes provide different ES, and that stakeholders perceive ES according to their category (e.g.,
elders and herders) and gender. We performed qualitative, semi-structured interviews with a range
of stakeholders. Using the Common International Classification of Ecosystem Services, we identified
300 ES in 31 classes across 8 landscape units. We produced a systemic representation of the provision
of ES across the landscapes. We showed a significant link between ES and landscape units, but not
between ES and stakeholder categories or gender. Stakeholders mostly identified ES according to
the location of their villages. Therefore, we suggest that the biodiversity offsets should target ES
provided by the landscape unit where mining activities occur and would be most interesting in the
landscapes common to all villages. By performing a systemic representation, potential impacts of
some offset strategies can be predicted. The framework was therefore effective in determining a
bundle of ES at a landscape scale, and in prioritising them for future biodiversity offset plans.

Keywords: ecosystem services; biodiversity offset; CICES; landscape units; stakeholders; rangelands

1. Introduction

Biodiversity loss and ecosystem degradation are massive environmental problems
worldwide [1,2]. To mitigate biodiversity losses due to development projects (such as min-
ing activities), policy makers, governments and the private sector are increasingly adhering
to biodiversity offset mechanisms [2–6]. Biodiversity offsets are defined as ‘measurable
conservation outcomes resulting from actions designed to compensate significant residual
adverse biodiversity impacts arising from project development after appropriate preven-
tion and mitigation measures has been taken’ [7]. These mechanisms target the residual
impacts that cannot be avoided, reduced, and will not be restored, according to the steps
of the mitigation hierarchy [2,5,6]. Biodiversity offsets have a goal of no net loss (NNL)
of biodiversity or when possible, a net gain (NG) of biodiversity [2,7,8], including species
composition, habitat structure, ecosystem function, its use by people and associated cul-
tural value [7]. The methods for implementing offsets are diverse: restoration of degraded
ecosystems, creation of new habitats, protection of existing high quality ecosystems at risk
of degradation or loss, change of practice in favour of biodiversity on already managed
areas, or mitigation bank [3,7,9–11].
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Ecosystem services (ES) are defined as ‘the aspects of ecosystems utilized (actively or
passively) to produce human well-being’ [12]. Benefits derive from ES and are ‘the contri-
butions to aspects of well-being’ (e.g., health) [13]. The conceptualization of the benefits
provided by nature has been driven by a loss of ES [14], mostly resulting from fragmen-
tation and loss of habitat after economic development projects [11]. Several classification
systems for describing ES exist, for example, the Millennium Ecosystem Assessment [1],
the Intergovernmental Science-Policy Platform on Biodiversity and Ecosystem Services
(IPBES, [15]) and also the Common International Classification of Ecosystem Services (CI-
CES) [16,17], which has become a common international reference [18,19]. Its hierarchical
structure (from least to most detailed: section, division, group and class of ES) allows users
to go to the level of detail wanted or needed [16,17]. The CICES can also include abiotic
flows, which may be socially important [19], while abiotic structure and processes are less
or not explicitly integrated in some other classification frameworks [19,20].

Although it can be argued that biodiversity provides ES and needs them for its
persistence [7,21], the relationship between biodiversity and ES provision is not so obvious.
Some ES can be provided by a diverse set of species and habitats, while others are strongly
linked to specific species or sets of species (e.g., pollination) [22]. Moreover, area considered
as important for biodiversity conservation will not necessarily be crucial for ES supply and
vice versa [11]. In a study in Iran, Karimi et al. [23] showed a strong relationship between
cultural services and biodiversity hotspots, but found a weaker link between provisioning
services and biodiversity. Therefore, the relationship between biodiversity and ES provision
depends on the ES considered.

From a conceptual perspective, biodiversity offset schemes could consider how
changes in biodiversity might influence the provision of ES to different types of stake-
holder [7,10,21]. Some methods for integrating ES into biodiversity offsets have already
been developed [7], but current offsetting is mostly focused on critical habitats and threat-
ened species [5], rather than on ordinary biodiversity and the services it provides [5,22].
The failure to take proper account of ES is due to several reasons. There is no standardized
and systematic methodology for the integration of ES into the mitigation hierarchy [22],
or biodiversity offset schemes [5]. Coupled with a lack of legislation for the consider-
ation of ES in offsets programs [24], and Environmental and Social Impact Assessment
(ESIA) of economic development projects [11], ES are rarely mentioned in existing off-
set practices [5], or are a consequence of the chosen offset strategy and not a driver [24].
Nevertheless, integrating ES into offset mechanisms is receiving increasing attention in
the international community in recent years [5,22], and within companies responsible for
biodiversity offsets [24].

The consideration of ES could improve greatly the societal impact of biodiversity
offsets. In some countries, residual direct and indirect impacts of developments projects
threaten the survival of local populations due to loss of biodiversity and ES [5]. Some
biodiversity offset strategies sometimes negatively affect populations [24]. For example,
offsets implemented far from the impacted site (off-site offsets [2]) will increase inequali-
ties, as the impacted population will not be compensated in terms of biodiversity or ES
provision [4,10]. Moreover, some biodiversity conservation schemes decrease ES access,
when implementing a protected area, for example [10,11]. The integration of ES in biodi-
versity offsets planning could lead to fairer offsets, that consider those kinds of impacts on
important ES and livelihoods.

People living in drylands are especially highly dependent on the provision of ES.
Indeed, over one-third of the world’s population live in drylands [25,26], that are usually
vital for the provision of forage for livestock [26]. Other important ES provided are, for
example, food production, medicinal plants and fuelwood, water supply (whose availability
is limited and variable) for drinking, irrigation and supporting fauna and flora, as well
as cultural services related to tourism, spirituality, creation of indigenous knowledge and
aesthetics [25–28].
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Ecosystem services are therefore essential to people, and their consideration in biodi-
versity offsets would give a more social, economic and health scope to offsets mechanisms.
How could we integrate ES into biodiversity offsets for economic development projects?
We are still limited on how diverse ES should be in a specific landscape [22] and on how
to prioritise ES [5].Therefore, a systematic identification and prioritisation procedure is
needed to ensure that the targeted ES are representative of the area [22].

As ES are attached to beneficiaries, the involvement of stakeholders is vital for identify-
ing bundles of ES to prioritise. The lack of integration of different stakeholders is currently
one of the limiting factors for the consideration of ES in biodiversity offsets [11,24], even
though it is a recommendation for offsets planning [7]. Stakeholder needs can be assessed
through, e.g., questionnaires and individual interviews (e.g., [29–31]), or participatory
approaches such as focus groups (e.g., [23,29–32]). However, the perceived ES may vary
according to stakeholder categories (e.g., [29]) or gender (e.g., [30]), but these characteris-
tics can be considered through the ES identification process. Identification of ES should
also take into account the landscape scale via an ecosystem approach for the design and
implementation of biodiversity offsets [7]. Some studies showed already the links between
landscape and ES provision (e.g., [30–32]). Identifying the ES provided by the different
landscape units should be possible when working in conjunction with local stakeholders.

Our study investigates the prioritisation of ES through a systemic approach across
various landscapes. We assumed that different landscape units provide different ES, and
that ES are perceived differently depending on stakeholder categories and gender. Our
case study takes place in rangelands landscapes in the drylands of southern Kazakhstan,
in a context of uranium mining activities. We mobilised the CICES framework for a
standardised method, through interviews with a range of local stakeholders. Eventually,
our study aims to propose a framework for the identification of ES at a landscape scale,
that can be used to integrate ES into the biodiversity offset scheme.

2. Materials and Methods

2.1. Study Site

The study area was located in the Sozak district of the Turkestan province in Kaza-
khstan (46◦1′18.00′′–43◦23′44.1′′ N and 67◦6′10.19′′–69◦20′31.4′′ E). This district comprises
the sandy desert of Muyunkum, where the Muyunkum and Tortkuduk uranium mines are
located (Figure 1).

The Sozak district is a dry, mid-latitude steppe and mid-latitude desert climate [33].
Mean annual precipitation (MAP) is less than 200 mm/year [34]. According to the
Muyunkum Central site project’s environmental impact assessment (EIA) carried out
in 2011 (hereafter called project’s EIA), on a more local scale, the climate is continental with
temperatures ranging from −30 ◦C in winter to +40 ◦C in summer.

Our study site is not limited to only desert, but also comprises a mosaic of land-
scapes, including:

• The Muyunkum sandy desert, where MAP is 155 mm and during summer and the
soil surface temperature can reach 60 ◦C according to the project’s EIA. It is com-
posed of dunes and shrublands, especially of Haloxylon ammodendron. (C.A. Mey.)
Bunge. [34,35]. Muyunkum is considered as good winter pasture because of the
shrubby vegetation that can be found, even after heavy snowfalls [34].

• The steppe to the south and west of the sandy desert. Steppes are grazing or grasslands
areas are found, that allow livestock farming and wheat cultivation [33].

• On the northern of the sandy desert, the presence of the Shu River, which forms in
Kyrgyzstan, has created riparian and flooded zones where reed (Phragmites spp.) is
the dominant species. Reeds are consumed by cattle but also cut and stored as winter
fodder by villagers living along the river [35,36]. The riparian zone includes Tamarix
spp., and the herbaceous species Agrophyron spp., Festucca spp. and Artemisia spp. are
present in the seasonally flooded zones [36].
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• The Betpak-Dala steppe that lies north of the Shu river. This steppe is described as a
clay desert, comprising sparse vegetation that incudes Artemisia spp. and Salsola spp.
and several annual species, representing an important and rich source of protein for
herbivores in the early spring [34–36].

• An area of salty, clay desert between the Shu river and the Muyunkum sandy desert,
where several halophyte plant species are present [35].

• The Karatau mountains in the south-west, where the majority of precipitation falls,
according to the project’s EIA.

• A salty lake area in the south-east, comprising the Kyzylkol lake and sacred pond of
the religious site of Baba Tukti Shashty Aziz mausoleum, on both sides of the border
of the province of Djambul.

Figure 1. Location of Sozak district in Kazakhstan. Ecosystem services were identified in and around
eight villages across the landscape.

2.2. Main Economic Activities: Livestock Farming and Uranium Mining

The population of the Turkestan province is 2.7 million people, resulting in a popula-
tion density of 23 people/km2, and the population of the Sozak district is 62,000 people,
resulting in a population density of 1.5 people/km2 [37]. According to the project’s EIA,
livestock farming is the primary activity in the study area, followed by crop production.

The environment of Kazakhstan is favourable to mobile pastoralism [38]: the range-
lands represent 60% of the country, i.e., 189 million hectares [36]. Agriculture, including
livestock farming, contributed 4.4% of the country’s GDP and accounted for 18% of em-
ployment in Kazakhstan in 2017 [39]. Turkestan province is one of the most important
regions for livestock farming, with the larger concentration of small-scale farms in 2016
and the highest number of registered agricultural cooperatives and cooperative members
in 2018 [39]. Nevertheless, over the past 150 years, nomadic pastoralism has declined and
now accounts for very few herders [34]. The use of rangelands for livestock production
has undergone major changes, from state-owned farms in the Soviet era, to the develop-
ment of private livestock systems since the mid-1990s [34,35,40]. Nowadays, the richest
herders with large herds can exclusively rent grazing areas with access to wells, via a
semi-privatization mechanism [35]. Herders with less livestock tend to keep animals in
the proximity of villages [35,40]. Herders can grow and store hay for use in the winter
months, mostly as fodder for dairy cows and calves [40,41]. Small livestock (sheep and
goats) and large livestock (cows, horses and camels) are raised for different animal products
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(dairy, meat and wool) [38,41]. In 2009, Turkestan province had 3,415,000 sheep and goats,
716,000 cows and 144,000 horses (no data on camels) [41].

Kazakhstan’s subsoil is rich in various mineral resources including oil, gas, uranium,
coal, copper, zinc, gold, chromium, manganese, iron and lead [42,43]. In 2016, the extractive
sector contributed almost 30% of the country’s GDP [44]. The Shu-Syrdarya mining region,
in which our study area is located, was discovered and explored between 1971 and 1991,
and is now the largest uranium mining region in Kazakhstan [45]. The Kazakh–French joint
venture KATCO (Kazatomprom–Orano) owns the mines at the Muyunkum and Tortkuduk
deposits in the Muyunkum sandy desert of the Sozak district. Since the 1990s, the in-
situ recovery (ISR) technique became widespread for uranium extraction, used for ore
located between impermeable soil layers [37]. Compared to older mining methods, this
technique has less surface damage, no waste rock or tailings storage and lower remediation
costs [45,46]. Nevertheless, there are risks of local underground contamination due to
leaching reagents and metals in solutions [46]. In addition, the implementation of mining
projects can also have impacts on ES, such as livestock-related ES, by decreasing access to
grazing areas, for example.

2.3. Identification of Ecosystem Services to Include in Biodiversity Offsets

Figure 2 summarises the methodology applied. Each methodological point is described
in more detail in the following sub-section, with application in our study area.

Figure 2. Methodology applied for the identification of ecosystem services to be included in biodi-
versity offset strategies (green: case study of the Sozak district in Kazakhstan; purple: software and
resources used; CSR = corporate social responsibility).

142



Land 2023, 12, 202

2.3.1. Construction of the Interview Guide

To identify the ES throughout the landscape in the Sozak region, we carried out a
literature search and developed a questionnaire before then interviewing local stakeholders.
We performed a literature review on the ES provided by pastures in Kazakhstan, Central
Asia and drylands. The keywords used for the bibliographic research were: ‘ecosystem
+ services’ and: ‘Kazakhstan’ or ‘Central Asia’ or ‘drylands’ or ‘arid + lands’ or ‘pas-
tures’ or ‘rangelands’ or ‘grasslands’, leading to 11 studies, reports, papers and book
chapters [25–28,47–53]. We then compiled the ES and cross-referenced them with the CI-
CES [16] to produce a standardized list of ES. This list was the basis for our interviews
with stakeholders. We kept the CICES class level for some ES and remained at the CICES
group level for other when the CICES division level was too vague to guide our questions,
and the CICES class level too specific (e.g., the Biomass division includes the Wild Plants
for food, materials or energy group, which includes the classes Wild plants for food, Wild
plants for energy, etc. [16]). The interview guide, which is based on this list, is available in
Table S1.

2.3.2. Selection of Local Stakeholders and Villages in Sozak District

Although uranium mines are located in the sandy desert of Muyunkum, this area is
not inhabited by a permanent population and is only used as a winter pasture. The majority
of the local population live along the Shu river and the foothills of the Karatau moun-
tains. Therefore, we selected stakeholders from eight villages located around Muyunkum:
Taukent, Syzgan, Sholakkorgan and Kumkent in the south and Zhuantobe, Tasty, Shu and
Stepnoy in the north (Figure 1). Among these eight villages, four (Taukent, Sholakkor-
gan, Tasty and Shu) work closely with the French–Kazakh Joint-Venture KATCO. KATCO
finances infrastructure such as schools, or gifts coal to the inhabitants. We chose stake-
holders based on: categories of stakeholders (Table 1) and a balanced gender dimension.
Stakeholder categories were determined through a stakeholder mapping report (performed
by Central Asia agency for KATCO in 2019), discussions with KATCO Corporate Social
Responsibility (CSR) department, and studies about Kazakh livestock systems and man-
agement [36,40,54] (Table 1). They represent the different types of local stakeholders in the
study area.

Table 1. Stakeholder categories description, number and proportion of participants per category.

Category Description
Number of
Participants

Percentage of
Participant (%)

Local authority or his deputy

Akim or his deputy. It is at the level of the
Akimat that decisions on land planning are

made. It is also at this level that the grievances
and various demands of the inhabitants

are received

10 18

Elder

These are older men and women. They are
respected and may have knowledge of current
land and natural resource use, but also of the

past. Among them, there are ‘veterans’, elderly
men with a special status: organized as councils,
they are asked by inhabitants for their opinion

on certain issues and they can act in some
decision-making processes related to the life of

the village

8 14
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Table 1. Cont.

Category Description
Number of
Participants

Percentage of
Participant (%)

Herder farmer

Herders and farmers in cooperatives: in farms,
often a family business, with a big herd. They

move their livestock every season. They are key
actors in the ecosystem services provided by the
different kinds of pastures; but also, stakeholders
not necessarily organized in business but with a
big herd and willing for production, and whose

herd move pasture every season.

7 12

Social and health worker

Health workers are nurses or doctors, for
example. People working in the social field deal

with isolated people, large families, disabled
people, elderly and/or sick people, either

through providing legal and financial support or
social support. This category can account for

villagers’ health problems that may be linked to
environmental problems, as well as ecosystem

services that are important to vulnerable
individuals or families.

7 12

Mother with many children

Women with at least six children. They can
receive a medal, of different levels depending on

the number of children. They are among the
categories eligible for social and financial

assistance, often in the lists of vulnerable persons.
They may have different perceptions and/or
needs for ecosystem services for their family.

7 12

Teacher
Teachers of different levels, from school to high
school and in different fields. They are educated
people who may have other types of knowledge.

8 14

Inhabitant
A random person, regardless of status and

occupation: unemployed, driver, veterinarian,
shop owner, media, etc.

10 18

Total 57 100

2.3.3. Interviews in Sozak District

Between 28 June 2021 and 17 July 2021, we conducted a total of 57 individual interviews
(Table 1). In each of the villages, seven people were interviewed (except for Sholakkorgan
where we interviewed eight people). The first person we met in each village was usually the
Akim (mayor), whose office had identified the interviewees according to the characteristics
we were looking for. Interviews were conducted at the Akimat (town hall) of each village
and were translated simultaneously by an interpreter. We interviewed 34 men and only
23 women, because Akims and herder farmers were always men. In total, 86% of the
57 participants were breeders of livestock, some based in agricultural cooperatives (herder
farmer in Table 1) and others who were small-scale livestock farmers.

The questionnaire was comprised of boxes, with each box corresponding to a CICES
group or class of ES (Table S1). Our questions were not fixed and were semi-structured.
For example: ‘Are crops grown in the area?’ and depending on the answer we then
asked: ‘For what purpose?’ ‘Where are they grown?’ and so on. The sub-questions, which
sought to identify specific details about each ES, depended on the individual we met,
their answers and perceptions. For example, we were able to go into detail about the soil
quality regulation services with an individual X, but went to another level of detail on the
groundwater services with individual Y.

Several studies have shown that the landscapes perceived by local beneficiaries may
be different from those identified by academics, e.g., a unit identified by academics may
actually be two units for local stakeholders (e.g., [32]). In addition, the use of maps makes
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it easier to introduce the subject of ES provision [30]. Thus, we tried as far as possible to
locate the spot(s) and/or landscape(s) where the ES occurred using printed maps from
Google Earth [55] and Google maps [56] (up to a radius of 20 km around the village of the
interviewee), or orally, if the interviewee could not locate it on a map.

During the interview, all CICES groups of ES were discussed, even though some ES
may not be directly relevant for biodiversity offset mechanisms. In addition, we were
not limited to our list of CICES groups: some ES were added when required, as stated by
the participant as the discussion progressed. Thereby, we ensured that the main benefits
provided by services were not overlooked [22].

2.3.4. Data Analysis

Interview data were processed using NVivo [57], a qualitative data analysis software.
Interviews were described according to interviewees’ attributes: gender, stakeholder cate-
gory and village. Then, interviews were coded by ES and landscape units. For ES codes,
we used the hierarchical structure of the CICES. From the CICES class level, details on the
ES and the benefits from the ES were added. Where necessary, ES categories were added,
following CICES recommendations [16]. The landscape unit codes were added according
to the landscape described for the provision of ES (maps from Google Earth and Google
maps or oral location). However, some ES had no landscape boundaries, such as services
related to existence value [22] (‘Characteristics or features of living systems that have an
existence value’ in CICES [16]). In these cases, we coded certain ES in a special category
that we called no landscape frontier.

From the organisation and coding of data, we could create matrix coding queries with
the NVivo software. We used matrix coding queries to analyse in detail the relationships
between the following sets of data, and to produce tables of data that included the following
information for each cell (x,y):

(i) Ecosystem services (each level of CICES) and landscape units: number of inter-
viewees who cited the ES (x) in the landscape unit (y). Subsequent analysis based on this
matrix will verify the hypothesis that different landscapes provide different ES.

(ii) Stakeholder categories and ecosystem services (each level of CICES): number of
interviewees from a category (y) who cited the ES (x).

(iii) Gender and ecosystem services (each level of CICES): number of male and female
interviewees (y) who cited the ES (x).

Further analysis based on matrix (ii) and (iii) will test the hypothesis that stakeholders
perceive ES according to their category and their gender.

(iv) Location of the villages and landscape units: number of interviewees from a
village (y) who cited the landscape unit (x). In the case where ES are linked to the landscape
units (analysis based on matrix (i)) but the stakeholders’ categories and gender (analysis
based on matrix (ii) and (iii)) do not guide the perception of ES, we tried to find out what
did. Here, we test the location of villages as a criterion.

Before the following analysis, we removed the CICES ES class if it was cited by less
than 10% of the participants (i.e., by five or fewer participants).

A χ2 test was then performed on these data using the software R [58] to check the
independence of variables. If the H0 hypothesis (independence between the two variables)
was rejected (meaning that the obtained p-value < 0.05), and our variables were significantly
related, then we performed a correspondence analysis (CA) to visualise the nature of the
relationships. Instead of showing all CA, for the purpose of readability, only the positive
relationships according to the CA are given and illustrated by ES section (provisioning,
regulation and maintenance or cultural) for all level of CICES according to its hierarchical
structure. The positive relationships are based on the respective contribution of variables
to CA dimensions (axes).

As an overall result, we show in a systemic way the perception of ES provided by the
different landscape units, depending on whether they are provisioning, regulation and
maintenance or cultural services. An ES is shown with a landscape unit only if it was cited
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by at least 10% of the participants as being present at that unit, even if it was at first selected
for analysis because it had been cited by 10% of participants in total (i.e., with all landscape
units combined).

3. Results

From our literature study, we found a total of 116 mentions of ES. When classed
into the CICES system, we organised ES into 10 divisions, 22 groups and 46 classes of
ES among the 15 divisions, 36 groups and 90 classes initially present in the CICES. We
also added two services; cultivated plants for fodder and wild plants grazed by reared animals,
following the structure of the CICES. These services are not final ES, according to the
cascade model [13,17], but are important to take into account since livestock farming and
production are major activities in our study area.

From our interviews with stakeholders, 300 ES in total were identified by interviewees,
which we grouped into the 61 classes of CICES. By keeping the classes of ES in which 10%
participants (i.e., at least six participants), mentioned ES, we obtained 37 CICES classes of
ES of interest (Table 2).

Table 2. Number of perceived ecosystem services and CICES class before and after the 10% selection.

Ecosystem Service Section
Number of Perceived
Ecosystem Services

Number of Ecosystem
Service Classes (CICES)

Selected Ecosystem Services
Classes (CICES) (>10%)

Provisioning (biotic) 141 14 11
Provisioning (abiotic) 20 14 8

Regulation and maintenance (biotic) 71 14 6
Regulation and maintenance (abiotic) 12 6 3

Cultural (biotic) 41 10 5
Cultural (abiotic) 15 3 3

Total 300 61 36

By gathering 300 perceived ES into 37 classes of ES, i.e., almost 10 times less, further
analysis could be simplified. Provisioning services are the most perceived (total of 161 ES
in 19 classes of CICES) than regulation and maintenance (total of 83 ES and 20 classes) and
then cultural services (total of 56 ES and 13 classes).

Moreover, participants were generally able to describe the provision of ES across vari-
ous landscape units. Figure 3 illustrates the 7 landscapes units described by interviewees.
In addition, the participants also located ES in a landscape unit termed village. The salty
clay steppe area between the Shu river and the Muyunkum sandy desert was the only
landscape unit not mentioned by stakeholders (see Section 2.1 in Materials and Methods).

In the further results, we keep the terms used by stakeholders to describe the landscape
units. The corresponding landscapes (see Section 2.1 in Materials and Methods) are:

• The Muyunkum sandy desert: called Sand by participants
• The steppes: called Steppe
• The Shu river and riverbanks: called River
• The steppes of Betpak-Dala: called Betpak-Dala
• The Karatau mountains and its foothills: called Mountains and Foothills
• The salty lakes area: called Lakes
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Figure 3. Landscape units as described by interviewees in the context of ecosystem services provision.
Main road, Mines and Mines road are not landscape units but supplementary information.

3.1. Provision of Ecosystem Services through Landscape Units

All χ2 tests rejected the hypothesis H0 of independence between the landscape unit and
ecosystem services’ variable (p < 0.05) both (i) at each level of the CICES (from least accurate
to most accurate) and (ii) within each section (provisioning, regulation and maintenance,
cultural) (Table S2). Therefore, the distribution of perceived ES provision across landscape
units and the differences attributed was not random. Our first hypothesis is verified,
meaning that some ES are linked to specific landscape units.

Several correspondence analysis (CA) were performed to visualize this link. The CA
between ES section (provisioning, regulation and maintenance, cultural) and landscape
unit is provided as an example (Figure 4). Positive links between ES section and landscape
units in this CA are explained in Table 3. From this example, we observed that provisioning
services are mostly provided by the steppe, the sand and the village for the biotic section
(the provisioning biotic section includes, for example, cultivated plant, wild plants grazed
by reared animals, and reared animals) and by the foothills and Betpak-Dala for the abiotic
part (e.g., surface water or mineral substance). Cultural services are linked to the no
landscape frontier category (e.g., existence or bequest value), to the lakes (e.g., spiritual,
symbolic and other interactions) and to the river units (e.g., activities promoting health,
recuperation, enjoyment). Biotic regulation and maintenance services (e.g., maintaining
nursery population and habitats) are mostly linked to no landscape frontier category,
whereas abiotic services do not seem to be link to specific landscapes units. The landscapes
unit mountains does not provide specific ES at this level of CICES.
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Figure 4. Example of correspondence analysis (CA) factor map. Here is the CA performed on
ecosystem services CICES section and landscape units. In blue: ecosystem services CICES section, in
red: landscape units.

Table 3. Links between ecosystem services CICES section and landscape units, according to the
respective contributions of each variable to dimensions (axes) 1 to 3 (3 axes remained) and their
relative position on the contributed axes in the correspondence analysis.

Dimension Ecosystem Service Section Landscape Unit

2 Provisioning biotic Steppe, Sandy area, Village
1 and 3 Provisioning abiotic Foothills, Betpak-Dala

1 Regulation and maintenance biotic No landscape frontier
/ Regulation and maintenance abiotic ?
1 Cultural biotic No landscape frontier

2 and 3 Cultural abiotic Lakes, River, No landscape frontier

The CA were performed on each of the other CICES levels: division, group, class by
service section: provisioning, regulation and maintenance, cultural, resulting in a total
of nine additional CA. Positive links between ES and landscape units are illustrated in
Figures 5–7 and described in Table S3. We have followed the CICES hierarchical structure
for clarity in the illustration. The legend, i.e., to which landscape unit the letters correspond,
is available in the figure titles. When a landscape unit box is on an ES box, then this
landscape units is more linked than the others to this ES.

The χ2 test, followed by CA on each level of CICES, and schematized in Figures 5–7,
verified and illustrated our hypothesis that different landscapes units provide different ES.
Few of the CICES classes of ES were not linked to a specific landscape unit, as wild plants for
energy, reared animals for materials (health), wild animals for nutrition, and surface water
and groundwater for watering livestock (Figure 5), as well as wind protection, pollination,
regulation of temperature and humidity and seed dispersal (Figure 6). Therefore, 75% of
the class of ES were provided by specific landscape unit(s) according to the interviewees.
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Figure 5. Hierarchical diagram following CICES representing the links between provisioning (Prov.)
ecosystem services (ES) and landscape units according to their respective contribution to CA di-
mensions. When a landscape unit box (in colour) is on an ES box, then this landscape unit is more
linked than the others to this ES (Stp = Steppe; Sd = Sand; V = village; M = Mountains; F = Foothills;
L = Lakes; R = River; BD = Betpak-Dala). When an ES box is grey, it is not linked to any landscape
unit according to its contribution to CA dimensions.

Figure 6. Hierarchical diagram following CICES representing the links between regulation and
maintenance (R&M) ecosystem services (ES) and landscape units according to their respective
contribution to CA dimensions. When a landscape unit box (in colour) is on an ES box, then this
landscape unit is more linked than the others to this ES (Stp = Steppe; Sd = Sand; V = village;
M = Mountains; F = Foothills; L = Lakes; R = River; BD = Betpak-Dala; NL = No Landscape Frontier).
When an ES box is grey, it is not linked to any landscape unit according to its contribution to
CA dimensions.
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Figure 7. Hierarchical diagram following CICES structure representing the links between cultural
(Cult.) ecosystem services (ES) and landscape units according to their respective contribution to CA
dimensions. When a landscape unit box (in color) is on an ES box, then this landscape unit is more
linked than the others to this ES (Stp = Steppe; Sd = Sand; V = village; M = Mountains; F = Foothills;
L = Lakes; R = River; BD = Betpak-Dala; NL = No landscape frontier). When an ES box is grey, it is
not linked to any landscape unit according to its contribution to CA dimensions.

3.2. Preference of Ecosystem Services according to Stakeholder Category and Gender

No χ2 test rejected the hypothesis H0 of independence (p > 0.05), no matter the level
of CICES. Thus, there was no significant link between stakeholder categories and ES and
between gender and ES. Our second hypothesis is rejected, meaning that stakeholders do
not perceive ES according to their category or gender. In the case of Sozak district, other
criterion(s) guides the perception of ES.

3.3. Links between Stakeholder Village Location, Landscape Unit and Ecosystem Services

The χ2 test rejected the hypothesis of independence between the village location
and landscape unit variables (p = 2.005 × 10−11 < 0.05). Therefore, the described land-
scape units in terms of ES provision are not random and is linked to the location of the
interviewees’ village.

CA were performed to visualize this link (Figure 8). There was also a contrast between
villages in the north and south of the study area. Participants tended to identify more
frequently the landscape units they lived close to in terms of ES provision. Interviewees in
the south (from Kumkent, Taukent, Sholakkorgan and Syzgan villages) tended to perceive
the mountains, foothills and lakes as providing most of the services, while those in the north
(Zhuantobe, Tasty, Shu and Stepnoy villages) tended to perceive the river and Betpak-Dala
as providing most of the ES. The landscape units no landscape frontier, village, steppe and
sand were common to all interviewees, in the context of ES provision. This result showed
that stakeholders described the landscape units for ES provision according to the location
of their village within the landscapes, rather than the stakeholder category or gender.
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Figure 8. CA performed on participant’s village location (in red) and landscape units described for
ES provision (in blue). In black: name of the villages as supplementary variable. For blue variables,
the unit Foothills comprises Taukent, Sholakkorgan and Syzgan; the unit Lakes comprises the village
of Kumkent; the unit River comprises Zhuantobe, Tasty and Shu; and Betpak-Dala comprises the
village of Stepnoy. The CA factor map shows a contrast between villages in the south (green ellipse),
and those in the north (yellow ellipse).

3.4. Systemic Representation of the Perception of ES Provided by the Different Landscape Units

From the results above, we considered the inter-relation between ES throughout the
landscape (Figures 9–11). Not all ES are shown, as some ES were cited by 10% of the total
number of participants, but not in all landscape units (e.g., mineral substances for energy
were cited by 15% of participants in total, but only by 2% in the steppe, 7% in sand and
7% in Betpak-Dala). In addition, services related to reared animals were linked to species:
if less than 10% of participants cited a species for a given service, it was not represented
(e.g., sheep manure is used by 22% of participants and so was represented, but horse
or cow manure was only used by 2% and so was not shown). A detailed description of
stakeholders’ perceptions of ES is provided below.

3.4.1. Provisioning Services

All landscape units except the lakes were identified by at least 10% of participants
as pasture (Figure 9). The steppe is an important grazing area (85% of participants), in
all seasons. The sandy area is an important winter grazing area (42% of participants).
Betpak-Dala and the mountains are more of a summer grazing area. The steppe and
foothills allow for the cultivation of winter fodder (Figure 9) (42% and 21% of participants,
respectively), mainly clover and corn. Other strategies are implemented for winter fodder
storage (Figure 9) via cutting and storing wild plants: around the Shu River, people store
reeds (17% of participants). Steppe grasses can also be stored as hay (26% of participants).
The reared animals are important contributors to the nutrition of the district’s population
(Figure 9). Cows and sheep are the main contributors: 77% of the participants consume
dairy products from cows, 28% beef, and 66% mutton.
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Figure 9. Systemic scheme of provisioning services provision across the landscape units.

The other sources of food are from cultivated plants (Figure 9) in the steppe (men-
tioned by 49% of the participants), and in the foothills (17%): mainly cultivated melons,
watermelons, vegetables, as well as some fruit trees. Additionally, 45% of the participants
had a vegetable garden and/or a yard with fruit trees, which highly contribute to the
food of the families (Figure 9). Finally, wild plants are used for nutrition; they are mostly
collected for this purpose in the mountains (19%), including herbs and wild fruits (Figure 9).

The sources of energy from biomass are wild plants collected mainly in the steppe
(57%) and the sandy zone (22%) and include mainly woody plants, e.g., Bayalich (Salsola
arbuscula Pall.), Djingil (Tamarix spp.) in the steppe and Saxaul (Haloxylon spp.) in the sand
that are used, purchased with permission from the authorities or sometimes cut illegally
(Figure 9). Sheep and cow manure are also used as energy sources (by 17% and 12% of
participants, respectively) (Figure 9). Moreover, some participants use the fallen and dried
branches of the village’s ornamental trees (15%) (Figure 9).

Wild plants are also used as medicinal or purifying plants and come mainly from
the steppe (49%), mountains and foothills (24% and 26%); the species mostly collected is
Adrespan (Peganum harmala L.), used to purify houses (40% of the participants collect it in
the steppe, for example, Figure 9).

Drinking water is either obtained from surface water in the mountains and foothills,
or from groundwater in the steppe and Betpak-Dala. These water resources are also used
for the irrigation of cultivated plants (Figure 9). For surface water irrigation: mountains
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contribute 28%, followed by foothills and lakes, according to the participants. For ground-
water for irrigation, only the steppe was cited by at least 10% of participants. In the village,
families with gardens and yards generally use water from their own well (36%) (Figure 9).

3.4.2. Regulation and Maintenance Services

The air quality service is provided by the village trees (31% of participants), which
purify the air and filter and stop the dust brought by strong winds (Figure 10). Among
participants, 36% found the air quality to be good, compared to 9% who did not. The
structure of the Karatau mountain also contributes to the air quality (12%), as a physical
barrier (Figure 10). The trees in the village also contribute to the local regulation of
temperature and humidity (28%): they make the local climate more pleasant by providing
shade and cool air. The mountains also contribute to this, again due to their structure
and altitude (12%) (Figure 10). Among the participants, 19% did not perceive this service,
especially in the north towards the Shu river and Betpak-Dala.

 

Figure 10. Systemic scheme of regulation and maintenance services provision across the land-
scape units.

With regard to the soil quality service, sheep manure is used by 22% of the participants
(Figure 10) for individual vegetable gardens and thus contributes to the nutrition benefit
(Figure 9). Wild woody plants Saxaul (Haloxylon spp.) contribute to the control of erosion
by fixing the soil, mainly in the steppe (17%) and in the sand (19%) (Figure 10).
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Regarding pollination and seed dispersal, they were, respectively, enabled by insect
pollinators (perceived by 10% of participants for pollination in the village) and wind
(perceived as a disseminator by 18% of participants) (Figure 10). Wind was not attached to
any landscape unit, as ‘the wind is everywhere’.

Finally, biodiversity, which includes wild flora and fauna, is considered important
to maintain and/or protect by 71% of participants, and 66% want biodiversity protected
to maintain other services and benefits that cannot be included in landscape boundaries
(Figure 10). The majority of the participants wish to maintain it and give it importance
for cultural reasons: for future generations (17%), but also because fauna and flora are
components of nature, which have as much right as humans to exist (21%). Thus, this ES
contributes to the maintenance of cultural services (Figure 11). Additionally, the mainte-
nance of local flora, especially in the steppe, is considered important because it is a source
of food for reared animals (17% of participants) (Figure 10).

3.4.3. Cultural Services

The lakes (10%), mountain (19%), foothills (21%) and the Shu river (24%) participate
in the rest and enjoyment of the inhabitants, through direct interactions with their abiotic
components (Figure 11). Those interactions result in visits to these landscape units, with
swimming, resting and picnics, often with the family. The foothills also participate through
biotic components (12%) (Figure 11): for example, through picnics and resting in private
gardens, and recreational fishing.

 

Figure 11. Systemic scheme of cultural services provision across the landscape units.
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The mountainous landscape with its waterfalls (14%), but also its fauna and flora
(10%), is appreciated for its beauty (Figure 11). The flowers of the steppe that bloom
in spring (10%) are also appreciated for their colour (described as a ‘multicolor carpet’)
(Figure 11). The flowers and ornamental trees in the villages are also important for the
inhabitants, because they make the village more beautiful and provide it with greenery
(19%) (Figure 11).

The lake of Baba Tukti Shashty Aziz mausoleum is sacred and therefore important
from a religious and spiritual point of view (Figure 11). Local legends are told about its
creation, as well as about the creation of the nearby large lake of Kyzylkol (meaning ‘red
angel’) (importance for 10% of the participants) (Figure 11).

Finally, biodiversity and its maintenance (‘maintaining nursery populations and habi-
tats’ [16], Figure 10) are distinguished by non-use values: biodiversity has an existence
value (‘characteristics or features of living systems that have an existence value’ [16]),
and represents a debt we owe to nature (33%), and a bequest value (14%) (‘characteristics
or features of living systems that have an option or bequest value’ [16]) (Figure 11). It
is biodiversity in general, fauna and flora everywhere: there is, therefore, no landscape
frontier for these services.

4. Discussion

4.1. Identification of Ecosystem Services and Landscape Units

A large number of services and benefits were perceived by the stakeholders during
interviews (Table 2). Among them, several CICES classes had not been identified in our
initial literature review, e.g., ‘characteristics or features of living systems that have an
existence value’. Conversely, some ES found in the literature review were not perceived by
the participants, e.g., ‘hydrological cycle and water flow regulation’. It was thus necessary to
rely on beneficiaries when identifying the priority ES, and to adapt the interviews according
to the interviewees’ answers. Therefore, the involvement of local stakeholders [7,11,24]
and the consideration of all ES during the identification process is of utmost importance so
that all priority ES are identified [22]. An example of important ES of drylands found in
our literature review, but not perceived by the stakeholders was ‘regulation of chemical
composition of atmosphere and oceans’ [25,26,47,49,51,53], that contributes to ‘regulating
our global climate’ [16]. This ES can be hard to explain during interviews, and interviewees
can have difficulties to link global ES and benefits to the local landscapes [30].

By using maps, the participants were able to refer to the majority of landscape units
described in the literature for the provision of ES (Figure 3). The vision of local stakeholders
is important for the identification of landscape units, even if in our case the units used were
not different from those previously identified.

Stakeholder interviews confirmed that livestock farming is one of the main activities
of the Sozak region, illustrating that people in drylands depend a lot on natural resources
for their livelihood [25–28]. Indeed, reared animals, cultivated and wild plants, surface-
and ground-water were major ES, identified by over 60% of interviewees, with almost all
stakeholders citing pasture and grazed species when talking about wild plants related ES.
Concerning regulation and maintenance services, they were less perceived by stakeholders,
in agreement with Costanza et al. [14] (Table 2). Surprisingly, stakeholders were strongly
and culturally attached to the biodiversity. The ‘other biotic characteristics that have
a non-use value’ were an important group of ES, through ‘characteristics or features
of living systems that have an existence value’ and ‘characteristics or features of living
systems that have an option or bequest value’ services, (as they perceived that fauna
and flora have as much right to exist as humans and should be preserved for future
generations). In addition, in a study in Iran, Karimi et al. found a strong association between
cultural services and biodiversity hotspots [23]. Such results contradict certain criticisms
about the integration of ES into offsetting schemes. The concept of ES is controversial in
biodiversity conservation [5], because it is considered difficult to link threatened resources
or species with the concept of ES that have a strong utilitarian value and are provided in
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landscapes dominated by humans [59]. However, we show that, in this very case study,
the synergy between biodiversity preservation and cultural services could be exploited
through biodiversity offset mechanisms, as also proposed by Sonter et al. [24]. Whether
this relationship is generic or highly context-specific should be explored further.

4.2. Exploiting the Link between Landscape, Ecosystem Services and Beneficiaries
4.2.1. Suggestions of Several ES Selection Options: Impacted Ecosystem Services, Greatest
Number of Beneficiaries or Common Landscapes

Biodiversity offset mechanisms should provide same services as those impacted dur-
ing an economic development project (like-for-like or in-kind biodiversity offsets) to avoid
creating or worsening social inequality [22]. Moreover, biodiversity offsets should focus on
impacted beneficiaries, based on the number and characteristics of stakeholders, for exam-
ple, targeting ES that impact the most beneficiaries, or those in a vulnerable category [22].
In addition, care must be taken to avoid bias from stakeholders wishing to maximize the
benefits from specific services [5]. In view of the literature, we suggest several options for
selecting ES to be integrated into biodiversity offset schemes.

Option 1: like-for-like biodiversity offset. We have shown that it is necessary
to work with landscape units to identify which ES to incorporate into offset schemes
(Figures 4–7). If like-for-like biodiversity offset was implemented in the Sozak district,
services related to the landscape unit sand should be offset, as this is where direct impacts
have taken place. Therefore, the following services would be prioritised (excluding mineral
substance for energy, that was uranium): (i) ‘wild plants grazed by reared animals’, (ii)
‘groundwater for drinking’, (iii) ‘control of erosion rate’, (iv) ‘characteristics of living sys-
tems that enable activities promoting health, recuperation or enjoyment through active or
immersive interactions’.

As a development project can indirectly impact the provision of ES [5], indirect effects
should also be considered in offsetting schemes (Figures 9–11). For example, by impacting
winter pastures in the sand, mining can increase the use of cultivated plants for fodder, and
so results in a greater use of mountain surface water for irrigation, leading to the negative
effect of less surface water for drinking (Figure 9). Reducing winter pasture could also lead
to a decrease in animal products. The negative effects of mining activities on wild plants
also impacts the service maintaining nursery population and habitat and the associated
cultural services (existence value and bequest value, Figure 11).

Option 2: Biodiversity offset based on stakeholder categories and gender. A selec-
tion based on beneficiaries could bring another point of view. Contrary to previous studies
(e.g., [29,30]), we found no relationship between stakeholder category and gender with ES.
This result is because almost all interviewees raised livestock (86%), even on a small scale
for their own consumption, and those who did not consumed livestock products. Services
such as ‘animal reared for nutrition purposes’ or ‘wild plants grazed by reared animals’
were therefore identified by almost all participants. Similarly, services related to biodi-
versity and its maintenance were identified by more than three quarters of interviewees.
Therefore, in this type of rangeland, targeting ES through biodiversity offset will not lead
to a bias in stakeholder category or gender inequality, nor will the selection of ES based on
vulnerable categories of stakeholders be necessary (such as women or elders [22]).

Option 3: Biodiversity offset based on common landscape units. Our results sug-
gest that from the point of view of equality between beneficiaries across the landscape,
offsetting could target ES produced by the four most common landscapes identified by
interviewees (Figure 8), i.e., sand, steppe, village and no landscape frontier. If we add a
criterion of targeting ES that impact the most beneficiaries [22], we are able to prioritise ES
among these four landscape units. We suggest that by cross-referencing the ES related to the
four relevant landscape units (Figures 5–7) and targeting ES identified by most interviewees
(Figures 9–11), we should prioritise those ES in the following types of landscape:

(i) Sand: ‘Wild plants grazed by reared animals’ (Figures 5 and 9) and ‘Control of erosion
rate’ (Figures 6 and 10)
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(ii) Steppe: ‘Cultivated plants for nutrition’, ‘Cultivated plant for fodder’, ‘Material
from wild plants’ (medicinal use) (Figures 5 and 9) and ‘Control of erosion rate’
(Figures 6 and 10)

(iii) Village: ‘Reared animals for nutrition’, ‘Reared animals for energy’ (manure), ‘Ground-
water for irrigation’ (Figures 5 and 9), ‘Decomposition and fixing processes and their
effect on soil quality’ (Figures 6 and 10), and ‘Characteristics of living systems that
enable aesthetic experiences’ (Figures 7 and 11).

(iv) No landscape frontier: ‘Maintaining nursery population and habitat’, ‘Seed dispersal’
(wind-induced) (Figures 6 and 10), ‘Characteristics or features of living systems that
have an existence value’ and ‘Characteristics or features of living systems that have
an option or bequest value’ (Figures 7 and 11).

4.2.2. Choice of Sites for Biodiversity Offset Schemes

Since ES are associated with beneficiaries, off-site biodiversity offset is not an option.
In addition, to provide benefits to all stakeholders, common landscape units should be used
for offset (Figure 8). For example, if offsetting was implemented around the Shu river or
Betpak-Dala steppe, northern villages would be favoured by ES, whereas southern villages
would benefit more from offsetting in the mountains, foothills and lakes area. Therefore,
the units sand, steppe, village and no landscape frontier should be used for biodiversity
offset schemes.

4.3. From Suggestions to Biodiversity Offset Strategies: What to Offset and Where?

By cross-referencing options 1–3 above (Section 4.2.1) with site selection (Section 4.2.2),
we found different strategies. (i) The first would prioritises the ES ‘wild plants grazed
by reared animals’ and ‘control of erosion rate’ in the sand landscape unit. This strategy
would be a like-for-like offset solution, as the ES targeted are those that are potentially
impacted in the sand unit (Figure 5) where the uranium mines are located. Furthermore,
biodiversity offsets would be implemented in the landscape unit that initially provided the
ES (Figure 5) and is a unit common to all villages (Figure 8). If such an offsetting strategy
was not possible to implement, other possibilities would be: (ii) like-for-like offsets but
in another landscape unit, such as steppe, that provides similar ES (Figure 5). (iii) Use of
the no landscape frontier unit, where suitable solutions to prioritise could be protection
measures for the preservation of fauna and flora (Figure 6), contributing to the existence
value and bequest value of biodiversity-related ES (Figure 10), that are indirectly impacted
by mining activities. As ES provided by no landscape frontier units can be perceived
anywhere, protection measures could be implemented in common landscape units such
as sand or steppe (Figure 8). However, the site should be chosen in terms of its ability to
compensate for biodiversity and it would have to be verified that sufficient ecological gains
can be achieved in the steppe or sand landscape units [22]. (iv) Out-of-kind offsets (meaning
that the ES targeted are not those impacted), such as the planting of trees in villages, would
contribute to the service ‘characteristics of living systems that enable aesthetic experiences’
and reach most of the beneficiaries (Figure 11).

4.4. Service-Based Scenarios and Their Potential Indirect Impacts on Other Provision of ES

Since offsetting schemes themselves can have indirect impacts on the provision of
ES [10,11], we can use Figures 9–11 to consider those impacts. (i) and (ii) Ecosystem services
such as ‘control of erosion rate’ could be targeted through the protection and restoration of
vegetation [60]. However, such scenarios would initially reduce winter grazing and associ-
ated services (wild plant grazed by reared animals and then reared animals for nutrition,
material and energy) until the vegetation is re-established (Figure 9). (iii) The implementa-
tion of biodiversity protection measures would improve the service ‘maintaining nursery
population and habitat’, and the associated cultural services ‘characteristics or features of
living systems that have an existence’ value and ‘characteristics or features of living systems
that have an option or bequest value’ (Figure 11). Nevertheless, such measures would lead
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to a decrease of other ES [10,11], either through access to winter pastures if implemented
in the sandy desert, or access to medicinal plants in the steppe (Figure 9). (iv) Planting in
villages to green and beautify would improve the service ‘characteristics of living systems
that enable aesthetic experiences’ (Figure 11) but would also involve higher consumption
of groundwater for irrigation, which would then be less available for vegetable gardens
and orchards (Figure 9). Another example of an indirect impact through biodiversity offset,
exists already in the Sozak district: saxaul trees are planted in compensation schemes, but
are protected and cannot be used as firewood (Figure 9) without the permission of the
forest authorities. Therefore, the service ‘wild plants for energy’ is reduced.

4.5. The Benefits of Considering Ecosystem Services in Biodiversity Offsets

Populations in rangelands rely heavily on ES for their livelihoods [5,24]; therefore,
biodiversity offset mechanisms should also compensate for the ES impacted. Our study
does not call this into question. We provide a framework for identifying the ES to prioritise
for beneficiaries in the right landscape units according to the vision of the local stakeholders.
This approach highlights the importance of implementing offset schemes in the landscapes
closed to the area impacted, thus providing a fairer offset for the beneficiaries [5]. As
offset mechanisms can affect ES or access to ES [10,11,24], we suggest that a systemic
approach to ES identification (i.e., at the landscape scale) should be implemented during
the offset scenarios’ design stage. This approach would avoid the potential indirect impacts
sometimes caused by biodiversity offsets.

4.6. Towards a Framework Applicable Worldwide

The developed framework incorporates recommendations from the literature on the
integration of ES in biodiversity offset schemes. We propose a systemic approach [22],
which considers ES at the landscape scale in order to identify priority ES, access to these
different ES by beneficiaries [11] and also to improve understanding of impacts on social
needs and preferences [22]. In their study, Souza et al. state that a review of ES is necessary
for ES-oriented offsets [11]. Our framework addresses the first two steps of this review: the
identification and prioritisation of ES.

The developed framework could be used worldwide for future offset plans. Figure 2
shows the methodology to be applied. The framework is intended to be generic but there
are specific parts for each area worldwide and new context: (i) the literature search on
ecosystem services to adapt the interview guide to other study areas; (ii) the determination
of stakeholder categories, as they should represent the diversity of local stakeholders;
(iii) the choice of villages (or settlements, e.g., in the case of mobile populations); and
(iv) the Google Earth and Google Map background maps used during the interviews.
Through this framework, we test some recommendations for the prioritisation step: tar-
geting ES lost in development and targeting the most beneficiaries [22]. Nevertheless, in
future research and other area of the world, other prioritisation criterions can be used. As
shown in Figure 2, depending on the local context, other questions and hypothesis can be
tested, in addition to the relationship between landscape and ES and stakeholders and ES
(‘Other possible combinations depending on the questions to be tested for the ecosystem
services provision’).

4.7. Ecosystem Services-Based Offsets as a Complementary Measure in Biodiversity Offset

In order to effectively integrate ES into biodiversity offset schemes, other elements
have to be assessed. Planning offsets for both biodiversity and ES can be challenging.
Areas providing ES and ecologically important areas are not always compatible [5,11].
Offset strategies targeting impacted ES may, therefore, not meet the criteria for biodiversity
offsets [11]. Furthermore, they may not fulfil the legal requirement. For example, in
Kazakhstan in the case of ISR mining ‘Subsoil users, when using plots of the state forest
fund for uranium mining by the method of underground borehole leaching, shall be obliged,
during the first three years of subsoil development, to make compensatory plantings of
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forest plantations in double the size of the area’ (Article 54 of the Forest Code of the Republic
of Kazakhstan [61]). However, decisions on the modalities of the plantation are taken at
the level of regional authorities [61]. Thus, in order to achieve ecological and biodiversity
objectives and meet legal requirements, biodiversity offsets for ES should take the form of
additional or complementary measures [5,11].

The implementation of additional measures for ES would avoid some drifts. Indeed, it
would be risky to supplant the current approach of biodiversity offsets, based on species and
habitats: an approach based only on ES may lead to the substitution of the original species
or habitats by other species and habitats providing the same ES as those impacted [5].
Therefore, Jacob et al. [5] propose that the integration of ES should be conducted in a
second step, after ensuring that the ecological equivalence required by biodiversity offsets
is achieved.

When offsetting ES, the potential biodiversity offset schemes should be differentiated
according to the categories of ES considered. Provisioning and cultural ES should be
accessible to communities, whereas this is not necessarily the case for regulating and
maintenance services [11]. Attention should be paid to increasing access to provisioning
services, that can sometimes negatively impact cultural and regulation and maintenance
services [5]. When a development project is implemented, it should also be taken into
account that some ES are simply not compensable, for example, a unique area that provides
important spiritual or aesthetic ES for populations will most likely never be compensated
for if lost [5].

5. Conclusions

We developed a systemic approach to integrate ecosystem services (ES) into biodi-
versity offset schemes to compensate for the negative impacts of economic development
projects. We outlined a framework that allowed ES to be identified and prioritised across
different landscapes. Interviews with local stakeholders allowed us to determine bundles of
ES that impacted as many beneficiaries as possible. Interviewees also efficiently described
the landscape units providing those ES. The category (local authority, elder, herder farmer,
social and health worker, mother with many children, teacher or inhabitant) and gender
of participants did not influence the identification of ES in this specific context of Kazakh
rangelands. Stakeholders preferred services provided by the landscape units close to their
village. Since ES and landscape units are significantly linked, we suggest that biodiversity
offset should target ES provided by the landscape where mining activities occur. We show
that to avoid conflict and bias when offset schemes are implemented, ES provided by
landscape units accessible to all villagers should be targeted as a priority. In addition, a
systemic understanding of the provision of ES across different landscape units would make
it possible to consider both the potential direct and indirect impacts of development project
and biodiversity offset scenarios on ES.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/land12010202/s1, Table S1. Interview guide for identification
of ecosystem services. Table S2: p-value of the 13 χ2 test performed on the ecosystem services and
landscape units matrix tables. A p-value < 0.05 rejects the H0 hypothesis (independence between
ecosystem services at each level of CICES and landscape unit) and shows that the two variables are
related. Table S3: Links between ecosystem services class (C) (or group (G) when class contribution
to the axes is not sufficient) and landscape units, according to the respective contributions of each
variable to dimensions (axes) and their relative position on the contributed axes of the performed
correspondence analysis. Table S3 summarizes the results of 6 correspondence analysis (Group of
provisioning ecosystem services and landscape units; group of regulation and maintenance ecosystem
services and landscape units; group of cultural ecosystem services and landscape units; class of
provisioning ecosystem services and landscape units; class of regulation and maintenance ecosystem
services and landscape units; class of cultural ecosystem services and landscape units).
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Abstract: Rangelands are a key resource present all over the world and cover half of all emerged
lands. They are even more important in drylands, where they cover 48% of the total area. Their
intensification and the additional pressure added by climate change push these socio-ecological
systems towards desertification. Over the last two decades, we have developed and applied System
Dynamics (SD) models for the study of Mediterranean grasslands. In addition, we have designed
procedures and analysis tools, such as global sensitivity analysis, stability analysis condition, or risk
analysis, to detect the main drivers of these socio-ecological systems and provide indicators about
their long-term sustainability. This paper reviews these works, their scientific background, and the
most relevant conclusions, including purely technical and rangeland-related ones, as well as our
experience as systemic modelers in a world driven by field specialists.

Keywords: drylands; Mediterranean; early warning systems; sensitivity analysis; desertification

1. Introduction

Rangelands can be defined as those ecosystems where humans have managed their
vegetation cover through the presence of livestock in order to obtain economic benefits [1].
This is the predominant land use in the world, occupying half of all emerged lands. Their
extension is about 29 million km2, of which 63% is located in drylands [2]. They cover
about 70% of the needs of domestic ruminants [3] and are a key resource for developing
countries, where they are the main support for the 1.2 billion people who survive on less
than USD 1 a day [4].

The degradation of grazing systems can therefore affect large areas of the planet and
the most vulnerable population. Many of these ecosystems are located on marginal, less
fertile land, where increased livestock densities alter ecosystem structure and functions [5],
leading to deterioration of their economic and biological productivity. The impact of
grazing increases with aridity [6]. Substantial degradation is occurring across the world’s
arid and semi-arid rangelands [7–9], and the expected increasing frequency and dura-
tion of droughts [7,10,11] and the foreseeable aridification of mid-latitudes [12,13], as a
consequence of global warming, pose major threats to rangelands.

This work focuses on the Mediterranean region, where rangelands occupy 48% of
the territory [14] and the threat of global warming is particularly acute [15,16]. In these
ecosystems, the varied floristic diversity is noteworthy, including grasslands and meadows,
which occupy 20% of the total [17], and more or less dense shrubs and forests where the
main use is for livestock and the dominant species are goats and sheep. The abrupt land-use
changes that were triggered in the Mediterranean in the middle of the last century are
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part of the Great Acceleration [18] and have had a major impact on rangelands. On the
one hand, in a process that has advanced from north to south, agricultural systems have
intensified due to technological possibilities that respond to the logic of the market. This
has led to (i) higher stocking rates (a situation more noticeable on the southern shore of
the Mediterranean Basin than in the north, where irrigation is a more characteristic feature
of this intensification [19]; (ii) to the collapse of pastoral systems based on the movement
of livestock (nomadism and transhumance) [20]; and (iii) to the massive use of animal
feed [21,22]. On the other hand, large areas have been abandoned due to a rural exodus
that concentrates the population in large cities [2].

The degradation of the Mediterranean rangelands belongs to the scope of desertifica-
tion, since it occurs in drylands (specifically dry sub-humid, semi-arid, and arid areas) and
is a consequence of climatic variations and economic activities, as states the United Nations
definition of desertification [23]. Although some authors have questioned the possibility of
desertification in Europe [24], the reality is that the European Union considers it a growing
threat [25]. In countries such as Spain, agropastoral systems and abandoned rangelands
are recognized as already degraded scenarios or at risk of desertification [26,27]. However,
in southern Europe, the current threat of desertification is linked to macrofarms [28,29] and
extensive livestock farming is more a solution than a problem [30].

This indicates that both desertification and rangeland use are complex issues. One of
the main causes of quantitative and/or qualitative degradation is overgrazing as a result of
increased livestock loading. Numerous works report the erosion processes triggered after
the loss of plant cover, or the loss of fodder species [5,31–34]. Simultaneously, opposite
forces operate in the territory, which allows us to glimpse that desertification is a complex
phenomenon that requires a very fine adjustment in the intensity of land use. In fact, rural
abandonment and, therefore, undergrazing, is another typical source of degradation in the
northern Mediterranean. Shrub encroachment and the invasion of woody vegetation give
rise to the so-called ‘green deserts’ [35], as unproductive, from a socio-economic point of
view, as the territories where primary productivity has been reduced.

In addition, the rural outflow and lack of grazing that prevented the accumulation of
plant biomass, has created enormous extensions of homogeneous forest masses with hardly
any discontinuities with increased fuel loads [36], resulting in fire-prone landscapes [37],
which combined with global warming, lead to increased higher fire risk, longer fire seasons,
and more frequent large, severe fires [38–40]. Although low-intensity and low-frequency
fires have always occurred naturally and play a regulatory role in Mediterranean ecosys-
tems (against phytotoxic agents, promoting seed germination, etc.), when their virulence
and recurrence increase (median fire return has been reduced from ~30 to ~10 years in some
instances [41], they cause serious damage by exposing the soil to heavy rainfall, preventing
seeders from replenishing seed banks [42], depleting re-sprouters bud banks [43], and/or
favoring invasive species [44].

Modeling studies, while being a simplified representation of actual systems, can
provide additional insights by allowing impact analyses of a wide range of farming practices
and short- and long-term climate scenarios [45]. In particular, System Dynamics (SD) [46]
has been used in the modeling of rangelands because of its ability to bring together the
different aspects that concur in these socio-ecosystems. For example, several models
have been developed on the relationships between environmental conditions and animal
stocks [47–54], specifically taking into account the importance of livestock mobility in some
cases [55]. Some studies incorporated economic components [56–61] and analyzed the
economic effects of a public land policy [62,63] in their rangeland models of a livestock
farm in developed countries. More recently, climate change has driven study on the impact
of droughts in rangelands [45,64–69].

However, few studies [70,71] fill the gap between the biophysical relationships and
socioeconomic behaviors. Hence, the economic and environmental importance of range-
lands and the challenges they face (climate change, intensification, land-use change, or
abandonment) is a relevant field of research [30,72,73], with growing concerns about the
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socioeconomic behaviors and decision making of farmers, such as profit-seeking behav-
iors [9,74–79]. Under the umbrella of this boy of research, here, (i) we point out the utilities
of SD for tackling such a complex problem; (ii) we present the SD models developed for
different cases of Mediterranean grasslands (Figure 1), paying special attention to dehesa
rangelands, i.e., an agro-silvo-pastoral system resulting from the progressive clearing of the
original forest of oaks and/or cork oaks and covering some 90,000 km2 of the southwest of
the Iberian Peninsula [78]; (iii) we describe the analysis procedures developed to study the
stability of these socio-ecosystems and the factors that most influence it; and finally (iv), we
present some of the main findings in the light of these analyses and modeling carried out.

 

Figure 1. Location of the case studies. Several SD models have been implemented in dehesa
rangelands (SW Spain). We have also studied grasslands in the SE of the Iberian Peninsula (Sierra
de Filabres), characterized by their aridity and low livestock density. The grazing lands of Lagadas
(Greece) have allowed us to apply the models in a more eastern European area. Finally, we have
analyzed the degradation processes of the North African steppes, dominated by alfa grass (Macrochloa
tenacissima L.) steppes.

2. An Appropriate Research Field for System Dynamics

The study of the sustainability of rangelands (or desertification, which would be
its opposite) requires the use of comprehensive tools and a multidisciplinary approach,
since various disciplines such as ecology, economics, or agronomy are involved in its
understanding and management. The need for a holistic approach in complex socio-
ecosystems is recurrent [79–86], and SD is a suitable tool for this challenge.

SD is a modeling methodology grounded on the theories of nonlinear dynamical
systems and feedback control developed in mathematics, physics, and engineering. SD
states that the main, but easily overlooked, cause of the behavior of a complex system
lies in its underlying structure of relationships, which includes feedback loops, non-linear
relations, delays, and decision rules. Formally, an SD model is a set of first-order ordinary
differential equations that makes a stock-and-flow representation of the studied system;
stock variables show the state of the system over time, and flow variables represent the
processes that change the stocks [46,87]. The main advantages of SD [88,89]: (i) it improves
system understanding, and develops system thinking skills, even from the first stage of
its development as causal or sketch diagrams; (ii) SD models can incorporate empirical
and process-based approaches, and help integrate interdisciplinary knowledge; (iii) the
SD literature provides abundant information about related methodologies; and (iv) user-
friendly software platforms allow easy access for non-modeler users.

The use of qualitative information is particularly useful in drylands where available
data are limited [90]. SD is particularly useful when the system may face situations that
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have not previously occurred, i.e., its desertification. For such a task it is required to know
the full range of behavior of the variables involved in the system. An example that can
help to illustrate this critical aspect is the influence of soil quantity on biomass primary
productivity (Figure 2). The loss of soil through erosion reduces the moisture content
and availability of nutrients, and consequently the production of biomass falls. Usual
information available to characterize the soil-productivity relationship covers the central
part of the function, i.e., where the system is productive (red line in Figure 2). However,
obtaining information on this function at the extremes is not so simple. It is in these
uncomfortable parts of the function where the contribution of the SD is paramount, since it
allows the implementation of hypotheses about how systems can work in critical situations
that were initially inconceivable. On the one hand, we know that primary productivity
will not grow indefinitely, however much soil there is, i.e., the function becomes saturated
at some point. On the other hand, and this is where the problem of desertification lies,
there will be a soil threshold below which the system becomes unproductive. Hence, at
some point, the function becomes zero (Soilmin in Figure 2). As Sterman (2000) [87] puts
it, the relationships between variables expressed by means of multiplicative factors are
more realistic than their linear alternative when the equations are subjected to extreme
conditions. This is precisely what happens when rangelands are degraded.

Figure 2. Net Primary Production-Soil thickness non-linear function (blue line) that takes into
account minimum soil thickness for grass growth (Soilmin) and soil thickness from which grass
growth stabilizes (Soilsat), compared to the conventional linear function (red line), which overlooks
the behavior of the function for its extreme values.

SD aims to build dynamic, complex, and comprehensive models capable of exploring
the long-term impacts of alternative decisions, taking into account the laxity of the laws
regulating the behavior of socio-ecological systems and the scarcity of data [91]. In addition,
SD is a flexible enough tool to support different data sources and to accommodate multiple
analyses. Thus, it is possible to use statistical or stochastic models within its structure and,
as we will present later, program routines to implement advanced sensitivity analyses,
optimizations, and probability calculations.

3. A Suite of Models for Assessing Rangeland Desertification

3.1. A Generic Desertification Model (GDM)

The conceptual paradigm of the SD models implemented to study rangeland stability
is the classic models of predator–prey ecology of Lotka [92] and Volterra [93]. We have
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followed the work of Noy-Meir, who considered extensive livestock systems as a specific
case of predator–prey systems [49,94], and those of Thornes [95,96], who addressed the
study of erosion as an ecological relationship of competition for water between eroded soil
and plant cover.

These ideas inspired the formulation of a GDM (see complete description in Ibáñez et al.
(2008) [97]) that consists of an eight-equation dynamic model of a generic human–resource
system. Briefly, the resource (N) plays the role of prey and the consumption units (U) that
exploit it are the predators. The N renewal depends on the climate, the N stock, and a
limiting factor (S), so called because its level is decisive for the survival of the exploited
resource. Reciprocally, the level of N affects the regeneration of S, which also depends on
U. In this way, S and N have a common destiny: if one does well, the other also does well,
but if the degradation of one of them is triggered, then the other is also dragged along. The
exploitation of N generates profits through a production function that also requires capital
(K). As profit increases, so does U and N consumption; this mechanism also works in the
opposite direction. The evolution of U, K, and N demand per unit of consumption follows
a hill-climbing heuristic, i.e., is driven by the pursuit of a dynamic target (e.g., desired
U) [87] that depends on profitability and, as in the case of U, on the opportunity cost (O),
i.e., the average alternative rent outside the current economic activity.

The GDM supports the cyclical behavior of predators and prey. In nature, the increase
in prey makes the predators grow at their expense reducing their number. When they run
out of feed, the predator population falls and the prey population recovers, returning to the
beginning of the cycle. However, the GDM can reproduce other types of dynamics. In the
case of socio-ecological systems, the signs of scarcity are bypassed. The profit generated,
which depends on prices, costs, and subsidies, allows using inputs that replace the lost
resource (e.g., feed can replace the shortage of grass) and create a sense of prosperity even
though the environment is degrading. Guided by a misleading abundance, the resource can
be overexploited, hastening its degradation and causing irreparable damage to the system
by crossing critical S thresholds (e.g., loss of fertile soil). This alternative behavior manifests
itself in the form of unsustainable exponential growths that can lead to the collapse of the
resource, that is, to the desertification of the system.

3.2. DESPAS Model

The adaptation of the GDM for the understanding of rangeland grazing, which seeks
to study desertification processes due to overexploitation of pasturelands, gave rise to the
DESPAS model (the Spanish acronym for desertification by overgrazing) [98,99]. The struc-
ture of DESPAS is shown in Figure 3. The model contemplates a single-species livestock
herd composed of breeding females, (which serves as the capital, K, of the GDM) with mean
and constant physiological states and nutritional requirements. The grass (the predatory
resource) consumed by the animals is modulated by its availability. This function, called
the functional response of livestock, can adopt various formulations [100] and determines,
taking into account the animal’s energy requirements, the level of supplementary feeding
required (see Section 3.3.3). It is assumed that these are commercial farms (GDM consump-
tion units), and that all the animals meet their caloric needs in order to maximize their yield.
Feed consumption determines the profit and loss account of the farm, since the expenditure
on supplementary feeding is the most important. There is a feedback loop in which good
economic results encourage the arrival of new farmers in the area or the intensification of
the stocking density, leading to greater inputs of supplementary feed, reducing profits, and
therefore discouraging the growth of livestock farming in the area.

The grass is composed of a single perennial species. Under this condition, along with
the uniformity of climatic conditions assumed earlier, the primary production of grass can
be satisfactorily represented by means of the logistic function. The outflows from this stock
are grazing and grass decomposition, which are linearly proportional to the quantity of
biomass present.
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Figure 3. Sketch diagram of DESPAS model. The causal relationships between variables can be
positive (i.e., direct, since the changes occur in the same direction: an increase/decrease in the
explanatory variable produces an increase/decrease in the explained variable), or negative (i.e.,
indirect: an increase in the explanatory variable produces a decrease in the explained variable or
vice versa). In the case of the flow variables that fill or empty the level variables (box variables),
the relationship is, respectively, positive or negative. This network of causal relationships creates
feedback loops in the system. Depending on their interaction, one or the other dynamics of the
system results.

The reduction in plant cover due to grazing exposes the soil to the erosive effect of rain.
Runoff, which is the erosive agent considered, depends on soil infiltration, the slope of the
land, and soil erodibility [101–103]. The resulting relationship between plant cover and soil
loss is compatible with those given by Elwell and Stocking (1976) [104], a robust empirical
relationship in which erosion is maximum with bare soil and declines exponentially as
plant cover increases.

Soil thickness depends on two other processes. On the one hand, soil formation from
bedrock (weathering rate) and the decomposition of vegetation and, on the other, the
leaching rate, i.e., the loss of water-soluble plant nutrients from the soil due to rain. The
stock of this limiting factor determines grass productivity, forming a positive feedback
mechanism between soil and vegetation. If the soil is kept above certain thicknesses,
the system’s biomass productivity is reinforced: more soil > more fertility > more plant
cover > more protection against erosion > more soil. However, if the soil begins to be lost,
the direction of the loop is reversed (less soil > less vegetation cover > less soil), leading to
the degradation of the vegetation–soil subsystem.

Changes in livestock stock are based on the economic rationality of the farmer: when
the incomes exceed the costs per breeding female (which depend on the amount of supple-
mentary feeding, i.e., the amount of grass consumed by the livestock) then the number of
animals is increased and vice versa. Finally, destocking depends on the useful breeding life
of females.

3.3. Extensions of the DESPAS Model

The design of a model depends on its purpose. This, however, may change over time
as new situations arise. That is why DESPAS has been refined, extended, and sometimes
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even simplified in order to study different cases. The following sub-models have been
implemented: (i) soil moisture, runoff production, and its erosive power; (ii) shrub–grass
competition; (iii) supplementary feeding; (iv) farmers’ behavior; and (v) the price forming
mechanism. In addition, we refer in this section to the temporal and special scales of the
models. While the latter has been maintained in all the models, the different methodological
developments and processes included have led us to modify the former.

3.3.1. Soil Moisture, Runoff, and Erosion

In DESPAS, soil thickness is used as a limiting factor. However, in drylands, it is more
accurate to use water as a limiting factor. For this purpose, the soil moisture level variable
was included in the model [105,106]. This makes it possible to implement a water erosion
mechanism (Figure 4) inspired by the analogy used by Thornes (1985) [95] to consider that
runoff and soil compete for water. In fact, the better the soil absorption conditions and the
more spaced the water falls, the less runoff is left to act as an erosive factor.

Figure 4. Soil moisture sketch and its influence on the erosion rate. The empirical formulation used
in DESPAS, which relates vegetation cover to erosion rate, was replaced by a much more mechanistic
approach in which soil water fluxes are detailed in order to determine surface runoff.

Soil moisture results from the balance between infiltration, evapotranspiration, and
soil drainage; these three flows are naturally conditioned by the availability of water in the
soil. The purpose of this water balance is to determine runoff; that is, water that cannot be
trapped by soil pores and circulates freely on the surface. Runoff flow determines the rate
of erosion.

The three initial flows are determined by two factors. First, they depend on the free
space that the soil has to store the water. If all the pores of the soil are filled with water (soil
moisture saturation) then there is no infiltration and all the water that falls becomes runoff
and triggers soil erosion. Soil field capacity is the amount of soil moisture or water content
held in soil after excess water has drained away; a sandy soil drains more water than a clay
soil. Finally, the water used by the plants and reflected by the rate of evapotranspiration
is the available water between the field capacity and the wilting point. The second factor
is the rainfall torrentiality; i.e., how it is distributed over time. Even if the soil has a large
storage capacity, if too much water falls in a short period of time, it cannot absorb it. On
the other side, if the rain falls in a more distributed pattern (a lower torrential flow), then a
greater fraction of the precipitation can be absorbed.
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Finally, vegetation cover continues to play an essential role in erosion control. This is
reflected in the model by considering that the infiltration rate is linked to the percentage
of vegetation cover. Its protecting capacity follows the exponential behavior described in
the previous section. The higher this is, the more precipitation is intercepted and retained,
which translates into a greater infiltration rate.

The sub-model adds a further nuance to soil erosion, since it considers that the erosion
rate decreases as soil is lost. In other words, the deeper layers of soil exposed by erosion are
more compact because they contain fewer pores. Although this implies greater runoff, it
also means that the erodibility of the soil is lower and therefore the erosion rate is reduced.

3.3.2. Shrub–Grass Competition

As mentioned above, the degradation of grazing areas in the Mediterranean has two
opposing causes. DESPAS considers the most common, i.e., that overgrazing removes
vegetation cover and triggers erosion rates. However, the excess of woody vegetation at
the expense of pasture resulting from undergrazing is not sustainable either, since it does
not allow livestock activity (in this sense, degradation is considered a loss of economic
productivity). In both cases, the resulting degradation is difficult to reverse. On the one
hand, the global average rate of soil formation is 0.036 mm per year [107], so that recovering
1 cm of soil takes 278 years. On the other hand, once perennial plants are able to establish
themselves, they have an inherent advantage over annual plants at the beginning of the
growing season. Since the latter have to restart their growth cycle from seed, they lose the
competition for nutrients and light to established perennials, which emerge quickly from
dormancy at the end of winter or a dry season [108].

We included the interaction between annual and perennial species (Figure 5) to enrich
the behavior possibilities of the model and simulate shrub encroachment, which takes place
in abandoned European rangelands [109]. For this purpose, herb productivity depends on
shrub biomass through a multiplier. It considers that, in the absence of woody species, herb
productivity is maximum (depending on rainfall and soil thickness), while as the proportion
of woody species increases, annual herb productivity decreases until it is canceled out
when woody plants have colonized all the available space. It was assumed that both annual
and perennial herbs dry out at the end of the growing season (end of spring) and start
growing again the next season (autumn) from seeds, roots, or underground stems. Since
only aboveground biomass is considered and the time scale of the model is annual, no
stock variable is needed for herbs, as they are annual plants.

 

Figure 5. Sketch diagram for the interaction between woody and herbaceous vegetation.
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3.3.3. Supplementary Feeding

In commercial rangelands, one of the common strategies for coping with resource
scarcity during dry seasons or droughts is the use of supplementary feeding. Sometimes,
in addition, another drought-enduring strategy comes into play, such as allowing animals
to lose weight during these shortages. Our model, however, assumes that all the energy
requirements of the animals are always met and, for this purpose, there is a sub-model
dedicated to calculating the amount of supplementary feed required and its cost.

Although the use of animal feed began as a temporary practice, it has been consoli-
dated as a common practice that allows increasing the stocking rate. The basic structure of
this sub-model is as follows (Figure 6): the energy gap resulting from the lack of pasture
due to (i) the excessive presence of animals; (ii) drought periods; or (iii) reduced soil fertility
due to erosion, increases the need for supplementary feeding. This has a negative impact on
the benefit of the farmer, which should lead to a reduction in the stocking density. Relieving
pressure on pasture leads to its recovery, which brings the situation back to the starting
point; i.e., the animals would return to grazing exclusively on pasture and feed costs would
disappear. However, fluctuations in feed prices can play an important role and allow
for high stocking rates under scenarios of soil and pasture degradation. This sub-model
presents one of the ways in which the scarcity signals of the territory are bypassed by the
use of external inputs.

Figure 6. Sketch diagram for supplementary feed dynamics and goal-seeking behavior for the
variation in farmers of the modeled area.

3.3.4. Farmers’ Behavior

One of the main assumptions of the GDM model is that consumption units (U)—the
number of livestock farmers present in the area—depend on the profitability in relation
to the opportunity cost; i.e., the alternative profit that would be obtained in another
economic sector. To implement this hypothesis, the classical model of “goal-seeking”
behavior [87] is used. The discrepancy between the current number of farmers (a stock
variable) and the desired ones (the target in the goal-seeking model) is eliminated after a
time delay by a positive or negative flow, depending on the sign of the discrepancy (note
that this discrepancy is also dynamic, as the target changes) (Figure 6). Desired farmers
depend on the profitability–opportunity cost ratio. The former variable is a function, in
turn, of income and costs, which are built up from prices, subsidies, sales, and purchase
volumes, which include the supplementary food item. The opportunity cost, on the other

171



Land 2023, 12, 206

hand, can have a constant value or be a stochastic variable that follows an exponential
probability distribution, i.e., the greater the opportunity cost, the less likely it is. This
reflects well the fact that there are more economic actors with low opportunity costs, i.e.,
with alternative economic activities that offer a lower economic return than their current
activity. The adjustment time of the function makes it possible to reflect the behavior of the
economic agents involved. It can be more opportunistic (shorter delays) or conservative
(longer delays).

3.3.5. Price Forming Mechanism

In the initial versions of the DESPAS model, prices of inputs and outputs of the mod-
eled goods are considered exogenous variables. However, this approach is not very realistic,
since the price of raw materials is subject to changes derived from various circumstances,
such as the current energy crisis. In addition, the internal dynamics of the system itself
is responsible for changes in the prices of the products generated. Depending on the size
of the livestock sector in the modeled area, the input and output market may be more or
less influenced.

The price formation mechanism is similar for all commodities considered and it is
represented in Figure 7. The sub-model assumes that farmers and traders lack complete
knowledge of the system, so they use the hill-climbing heuristic to adjust their expectations
to reality; i.e., the prices prevailing in the model at each instant are determined by the level
variable “Price”. A reference price (which may be global or regional) and a price derived
from the interplay of supply and demand are involved in the “Indicative price” setting.
The product in question (feed, meat, etc.) evolves towards this price with a certain delay
(“Adjustment time 1”).

Figure 7. Sketch diagram for the price formation mechanism. The sub-model is based on the “goal-
seeking” behavior algorithm. The “target” variable for price dynamics is the Indicative price, which
depends on three variables: a reference price, product demand, and available supply.

The price, in turn, determines the “Target demand”, towards which the demand
converges with another lag, the “Adjustment Time 2”. As demand changes, the indicative
prices change, and so does the price. This simple structure is capable of generating a great
complexity of behavior and, above all, eliminates the simplicity of considering that prices
are fixed for the entire simulation period.

3.3.6. Temporal and Spatial Scales

Classical models of ecology do not refer to any specific spatial scale [110]. Our ap-
proach is, in this sense, more stringent, since the developed models refer to a spatial
unit [89], such as a hectare, but do not distinguish between different parts within that
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space. The models presented in this section use superimposed two-time scales—short and
medium term—to detail processes operating at different resolutions. First, the day is used
to model the evolution of soil water, considering variables such as infiltration, saturation,
runoff, and evapotranspiration. For purely operational reasons, the time unit is not exactly
1 day. The implementation of the models in the Vensim© software v.5.8 [111] makes it
necessary to use time units (when the time unit is the year) that are a multiple of 2.85 days
(≈0.0078125 years), as this is the minimum time step allowed by the program.

The year is used to represent processes occurring in the medium term, such as the
evolution of the livestock population or the number of economic agents operating in the
territory or their profits. Finally, the simulation periods cover several years, tens, or even
centuries, since their purpose is to prospect the sustainability of the system, i.e., its long-
term stability. For this purpose, it is necessary to study the behavior of variables whose
dynamics are much slower (e.g., soil thickness, pasture productivity) and whose effect is
felt over several decades.

4. Design and Implementation of Analysis Tools to Explore Rangeland Behavior

In this section, we review the procedures we have designed and applied to analyze
the modeled social-ecological systems. The exploitation of a model ranges from running a
simple simulation scenario, which is the default use of an SD model, to the implementation
of thousands of scenarios to rank the factors involved in a model (Figure 8). As these
analyses become more sophisticated, programming routines are needed to automate the
process of scenario creation and import, model simulation, and data export [112].

 

Figure 8. Different options for using SD models, ranging from the simulation of one scenario to the
implementation of thousands of scenarios required for a Global Sensitivity Analysis.

4.1. Temporal Trends and “What If” Questions

The standard output of SD models is the time trends of their variables (Figure 9).
They respond to the scenario of simulation, i.e., the values of parameters and exogenous
variables. Strictly speaking, these trajectories should not be considered predictions, since
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the background of the equations used is of a socio-ecological nature; i.e., they do not
respond to laws of a physical and universal nature. Models that are founded on economic,
social, and even biological formulations try to explore the future, but cannot forecast what
will happen [113].

Figure 9. Time trends for three variables in Lagadas under two scenarios (default, blue solid line; and
half subsidies, dotted red line).

In this context, it is extremely useful to compare different scenarios, i.e., to answering
‘what if’ questions to analyze deviations from the baseline scenario. The following example
(Figure 9) shows what would happen if subsidies were halved in Lagadas rangelands
(Greece) [109]. As can be seen, the stocking rate is falling as the financial support is
reduced (although not to the same extent), easing the pressure on the environment and
slowing down erosion rates. In the absence of grazing, grasslands are invaded by woody
species, which helps to protect the soil but at the same time reduces the productive capacity
of grasslands.

Following the line of this exercise, it was interesting to look for the level of subsidy
with which the erosion would be canceled. This would require a reduction in subsidies of
up to 60%, which would mean a 26% drop in livestock (values not found in the historical
record of the area) and a 30% decrease in the gross margin. According to these simulation
results, it seems that erosion is inherent in grazing and that limiting soil erosion may in
practice mean that farmers will have to close down their businesses.

4.2. Stability Analysis Condition

In order to gain a more precise idea of the long-term sustainability of grazing systems,
it is possible to develop procedures that give us a more global vision than the more or
less random simulation of scenarios. For this aim, the study of the stability of dynamic
systems through the qualitative analysis of their equations [91,114] is the appropriate path
to follow. Due to the uncertainty that is usually associated with the parametric values
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of many systems, and in particular, those referring to the natural environment [115–117],
the qualitative analysis of a model can often be of greater interest than its quantitative
results [118].

This methodological approach has been applied to dynamic predator–prey systems
through the analysis of nullclines, both in linear [119] and non-linear [120] models and,
more specifically, to ecological [121] and grazing systems [94,122]. A nullcline is defined
as the equilibrium of a level equation (N); i.e., the equation resulting from performing
dN/dt = 0. With them, it is possible to anticipate the behavior of a system in the long
term by knowing the parametric values of the scenario and the initial values of the stock
variables. This gives an idea of where the system is heading under current conditions,
which serves as an early warning indicator.

Figure 10 shows the phase plane Pasture–Stocking rate, its nullclines, and the equi-
librium point associated with its intersection. The stability of the equilibrium depends on
the slope of the Pasture nullcline at the point of cut [122]. In this case, since the slope is
positive, we are facing a stable equilibrium. To illustrate the use of these indicators, we
used parametric scenarios to recreate three standard extensive livestock farming systems
in Spain: cattle and sheep farmed on the dehesas and goats farmed on the south-eastern
pastures [98,123].

Figure 10. Nullclines and long-term equilibrium point for the subsystem Pasture–Stocking rate. The
equilibrium point represents the values of pasture and stocking rate at which the system will stabilize.

4.3. Risk Analysis

The use of nullclines and graphical qualitative analysis is limited by the complexity of
the model. Although it is possible to visualize three-dimensional isoclines [98,123], when
the SD model has more than three level variables or the formulation of some nonlinear
equation is intricate, it is not possible to obtain the nullclines equations. In this case, long-
term equilibria are obtained by simulating the model with time horizons long enough to
ensure the stabilization of the values. In addition, calculating the nullclines of a system
means ‘freezing’ a scenario and assuming that everything will remain the same in the
future. However, conditions fluctuate permanently.

To obtain a more precise idea of where the system is going, further equilibrium points
can be calculated by varying the baseline scenario. These scenarios can be randomly gener-
ated using the Monte Carlo method by converting some model parameters into stochastic
variables. For example, instead of using the mean precipitation, random values can be ex-
tracted from a stochastic variable that considers the mean and variance of precipitation. The
procedure results in clouds of equilibrium points represented in a scatter plot (Figure 11).
The dispersion of the cloud is critical to have a diagnosis. When it is high (Figure 11A), the
system’s time-trajectory will wander rather erratically; if dispersion is low (Figure 11B), the
time-trajectory will be more predictable.
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Figure 11. Cloud of long-term equilibriums for the Stocking Rate–Pasture subsystem. In some
instances, the clustering of points clearly points towards a region of the scatterplot (B), while in others
the dispersion of the point cloud will not provide a clear forecast (A). The most likely path followed
by the system from its original situation (red asterisk) is the one indicated by the dotted line. In the
first case, a clearer trajectory (dashed line) can be expected, while in the second case, the dispersion
of points predicts an erratic trajectory. Note the threshold (dotted line) separating the degradation
region from the sustainable.

To determine the risk of degradation, it is necessary to add degradation thresholds.
Our role as modelers has often been to put these tools in the hands of specialists so that
they can establish the thresholds they consider appropriate as well as other parametric
values of the models. Additionally, to enrich the estimation of risks, the time needed
to reach the defined thresholds is evaluated. Bear in mind that a model could show a
desertification risk of 100%, but if it occurs after thousands of years (remember that the
model simulates the time needed to reach a stable equilibrium), the risk may be negligible.
To implement this idea, the model includes equations for computing the time the variables
take to exceed their degradation thresholds. In this way, a probability of desertification
will be obtained together with a “time to desertification” whose average will provide an
estimate in each case.

The application of this methodology allowed the risk of desertification for the five
“desertification landscapes” to be estimated [27,112,124] and included in the Spanish Action
Plan against Desertification (SAPD; [26]). The results tell us that dehesas are one of the most
sustainable land uses. Neither the soil nor the vegetation had an appreciable risk of deteri-
oration over a 100-year time horizon, while for other desertification landscapes, such as
groundwater-dependent irrigation systems, the results show that the risk of desertification
is 88.2%, and that it will take, on average, 47 years.

4.4. Ranking of Factors

One of the objectives of the models presented is to have a precise idea of the most
important factors in the future of the system. Specifically, and within the framework of
desertification, it is crucial to distinguish between anthropic and climatic causes [125]. The
Plackett–Burman Sensitivity Analysis (PBSA) [126,127] is an excellent option for ranking
the factors of a socio-ecological system. This is a sound statistical procedure that measures
the effects of each parameter on the target variables in an efficient way in terms of the
number of necessary scenarios. An important feature is that the effects of every parameter
are not measured with the all-other-things-being-equal assumption but are averaged over
variations made in all other parameters. PBSA also enables measuring two-way interactions
of pairs of parameters; although, this option was not used in this case.

Fortunately, the analysis capacity of computers is no longer an excuse to simulate
a large number of scenarios. This paves the way to implement much more robust and
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conclusive sensitive analysis, such as Global Sensitivity Analysis (GSA) [128,129]. The most
common GSAs are variance-based methods, which decompose the variance of a target
variable into terms corresponding to the different parameters and their interactions [130].
Through GSA, we evaluated the sensitivities of key endogenous factors to the same percent-
age variation in 70 factors, including economic and climate drivers. The analysis considered
the behaviors of 288,000 variants of the modeled system, each under a different 300-year
driver scenario [131].

Among the main conclusions reached through the establishment of rankings, we have
been able to verify the supremacy of climatic factors over the rest. For example (see Table 1
for details), we found [105] that, when the “Mean annual precipitation” is increased by
10%, the time for the soil to be depleted was brought forward by 36.9%, while the effects for
economic and behavioral variables were located in the lowest positions in the ranking. On
the contrary, a 10% increase in “Mean meat price” delays time for the soil to be depleted
only by −1.2%. The explanation for this result is strongly influenced by supplementary
feeding, a common practice in commercial rangelands. Although this is one of the major
costs of livestock farms, the farmer has enough financial margin to invest in feed and thus
maintain production and, therefore, profit. Obviously, this situation may change if or when
the prices of raw materials used to manufacture compound feed change.

Table 1. Ranking example for a PBSA conducted in a dehesa [105]. In this case, the objective variable
was “Time to loss 20 cm of soil”. The higher the negative percentage (red cells) means that the time is
shortened, i.e., that the process of soil loss is faster. Positive percentages (green cells) mean a delay in
soil loss. As can be seen, the ranking is led by climatic parameters.

Parameter Impact

Mean annual precipitation −36.9%
Fraction of annual precipitation that fell in the humid season −17.5%
Mean annual reference evapotranspiration 12.5%
Fraction of annual evapotranspiration in the wet season 12.2%
Initial mean runoff coefficient soil at wilting point −9.5%
Coefficient of variation annual precipitation −8.1%
Coefficient of variation runoff coefficient soil at wilting point −4.5%
Months when precipitation > ETo (length of the humid season) 2.4%
Total subsidies per hectare −1.4%
Costs per female other than the cost of supplemental feed 1.3%
Mean meat price −1.2%
Weathering rate of the parent rock 1.1%
Average number of years to form gross margin expectations −0.5%
Mean price of supplemental feed 0.4%
Coefficient of variation supplemental feed −0.2%
Coefficient of variation meat price −0.2%
% Increase in breading females if gross margin increased by 10% 0.1%
Secondary income per breeding female 0.0%

4.5. Implementation of ANOVA Test

SD models can be used as virtual laboratories in which to conduct experiments [132].
In this context, a multi-way ANOVA test was coupled to an SD model to evaluate the
sensitivity of a valuable type of commercial rangelands to increases in the frequency and
intensity of droughts considering climate change scenarios [133]. In particular, the question
is whether the current strategy of using feed to mitigate the effects of droughts will continue
to be effective in the context of water scarcity that is expected to be particularly relevant in
the Mediterranean [16].

For this purpose, 5400 simulation scenarios were generated from two blocking fac-
tors and two treatment factors. We have considered three Representative Concentration
Pathway (RCP), i.e., scenario of future greenhouse gas emissions, and two downscaling
methods, i.e., process by which coarse-resolution Global Climate Models outputs are
translated into local climate information. Additionally, three levels were defined for the
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frequency and intensity of droughts. A hundred simulations (replicates) were run for each
of the 3·2·3·3 = 54 cells in the analysis. These were obtained by varying the value of the
random seed from 1 to 100.

The scenarios feed the model to generate results and after those inputs and outputs
are used to implement the multi-way ANOVA test (see Figure 8, bottom). This has shown
that most of the main effects and interactions turned out to be highly significant; although,
the sensitivity of response variables to increases in the frequency and severity of droughts
under climate change would be low or very low.

5. Findings through SD Modeling

5.1. Learnings from Mediterranean Rangelands Modeling

Agro-silvo-pastoral systems are one of the five desertification landscapes identified in
the SAPD [26]. Our main conclusion in this context is that this land use presents a low risk
of desertification [27,124]. This is due to the use of feed, which allows for mitigating the
scarcity of pasture in dry periods [133]. Even in the context of climate change, with clear
decreases in precipitation, it is estimated that the system will cope well with the shortage
of pasture with the use of feed. Consistent with this conclusion, sensitivity analyses have
revealed that climatic factors are more decisive than socio-economic factors [106]. This
reinforces the validity of the use of feed as a drought-enduring strategy that safeguards
the system.

However, we cannot think that the use of animal feed is a panacea. In northern Algeria,
we have an example of how the progressive replacement of grass with cereal grain has
led to the system’s collapse [134–136]. In these steppe rangelands, feed initially entered,
as is often the case, as a punctual solution for extreme drought situations. Gradually, it
became a regular supplement until national policies decided to turn the so-called Alfa
seas (the name indicates the density of bushes in the region; Alfa is the name for the
esparto grass, Macrochloa tenacissima) into an open-air farm. To this end, barley gradually
replaced the country’s wheat fields. Through a state policy of subsidies, this barley is used
to feed the increasingly numerous herds of the steppes. The main mistake was to ignore
the sheep’s fiber needs, as barley only met their energy requirements. The consequences
were devastating: thousands of hungry animals devoured the esparto grass, which was
the shrub that helped alleviate periods of grass shortage. In the south of Oran, 700,000 ha
out of 1.2 Mha of Alfa grass has completely disappeared and the remaining half million is
much sparser (biomass was reduced from 1750 to 100 kg DM ha−1) [137]. The loss of plant
cover combined with the strong winds in the area has led to the appearance of dunes. This
is a good example to illustrate that desertification is not the advance of a desert, but the
creation of a desert-like landscape due to poor land management [138].

The livestock industry, which revolves around the use of compound feed, is a good
example of global telecoupling [139], i.e., global supply chains involving large geographical
distances and creating environmental pressures (including deforestation and other types of
land conversions) remote from the places where the consumption of goods and services take
place. Although industrial farming is the main consumer of feed, a more comprehensive
assessment of the environmental impact of extensive farming may include the area of
soybeans and cereal fields needed to supplement the animals’ diet. In the European
case, the deforestation of primary forests in South America due to soy imports for feed
compounds is especially relevant [140]. For the period 2000–2010, we have estimated
that soybean consumption associated with the Spanish feed industry is equivalent to the
deforestation of 1220 kha of primary ecosystems in South America, the main exporter of
soybeans [141]. The models we have presented can be completed by incorporating the
impact of feed consumption on the livestock farms studied in terms of area deforested.

Although socioeconomic drivers have less influence than climate drivers on the sus-
tainability of the rangelands, there are many situations where their role is key. In Lagadas
(Greece), we observed how the reduction in subsidies triggered the deterioration of the
system [109]. Something similar to the Algerian case described above occurred. The range-
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land scientists who helped us with that model expected that the cut in subsidies would
lead to a reduction in livestock and thus slow down erosion. However, the model showed
the opposite behavior. The conclusion seemed obvious to our colleagues: the model had to
be wrong. Analyzing in depth the reasons for such unexpected behavior, we noticed that
what was happening was that the livestock, although it was decreasing, did not do so in
the proportion in which the subsidies did. Analyzing the causal tree, we could see that the
reduction in subsidies meant a reduction in supplementary feeding but not to the same
extent of the stocking rate. Consequently, the actual stocking rate was higher than in the
baseline scenario, and therefore the animals were forced to consume more grass than was
adequate, since the feed given was not sufficient to cover their needs.

Another relevant dynamic of the degradation of the Mediterranean grazing systems
has to do with the economic behavior of farmers [142]. We have seen that a few oppor-
tunistic farmers, who only seek to maximize their profit by playing with the size of the
herds, are enough to trigger degradation rates in the environment. The more cautious
behavior of traditional farmers is only effective, in terms of rangeland sustainability, when
it is highly dominant.

5.2. Multidisciplinarity: Under the Crossfire of Specialists

The scientific literature is full of recommendations about the need for multidisciplinary
studies as the only way to address a multi-faceted and increasingly interconnected reality.
Specifically, economics, combined with earth system sciences, is crucial for understanding
both positive and negative impacts of alternatives and the trade-offs involved in a sus-
tainable development path [143]. This is especially relevant to the serious environmental
problems facing the planet, such as global warming, desertification, or loss of biodiversity.
A more harmonious relationship between food systems and the ecological framework
on which they are based is called for in order to achieve the Sustainable Development
Goals [144]. As a result of this demand, numerous journals specializing in multidisciplinary
approaches have emerged, and initiatives such as the EAT-Lancet [145], which bet on
the systemic approach, have been launched. New paradigms have also emerged such as
the socio-ecological systems [146], ecological economics [80], and the water–food–energy
nexus [147], which try to give an integrated vision of nature and human beings.

Our experience during all these years has shown us that the integration of knowledge
from different disciplines is difficult, to say the least. Inevitably, multidisciplinary work is
evaluated by specialists in each of the subjects that are included in the integrated models.
The problem is that, for a specialist, nothing is superfluous in his field and she/he declares
she/himself incapable of judging and appreciating the added value of the contributions
of other disciplines, which she/he does not know. Thus, for example, we find that an
edaphologist misses, in the erosion sub-model, much more detailed equations, pointing
out the impossibility of using point models, instead of spatially explicit ones, or considers
unacceptable the simplification that involves ignoring the lithological characteristics of the
terrain. However, it will be difficult to appreciate that this same model contains equations
on the evolution of prices according to changes between supply and demand. Likewise, an
economist will miss a more in-depth treatment of the profit and loss account, and a botanist
may criticize the fact that the dynamics of each of the species that make up the pasture
have not been treated separately. For both the economist and the botanist, it is likely to be
superfluous to model runoff in order to calculate erosion rates.

Another practice that we have observed and that seriously penalizes the construction
of integrated models is the growing refusal to review this type of work. Again, at least part
of the explanation lies in the fact that the review work is carried out by specialists in the
different disciplines that the model brings together, but who are not usually familiar with
equations, much less with systems of differential equations. This task requires a great deal
of time for understanding, as well as a minimum of mathematical knowledge. We are faced
with judgments that again do not go beyond the boundaries of the reviewer’s discipline.
At best, the reviewer assumes that a model with so many equations and references must be
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right (with all the vagueness that this judgment implies); at worst, the paper runs the risk
of being rejected outright if the reviewer in question reads some detail that clashes with his
or her perception of the subject.

In our case, we have had work rejected on the basis of arguments that demonstrate
a lack of knowledge of the model. It has been said that the model is speculative (indeed
it is, as is the case with any model based on a series of hypotheses or speculations), that
the time horizons are excessive (in some cases, it is necessary to simulate the model for
several hundred years in order to calculate equilibrium points of the system), that it is too
simple (in models with more than eighty equations), or that the model is wrong because
it does not reflect reality. In this last aspect, we agree since, in the end, “All models are
wrong”, since they are deliberate simplifications of reality [148]. From our point of view,
this type of judgment fits in perfectly with one of the obstacles Sterman points to in properly
understanding complex dynamic systems [87]: unscientific reasoning, even among the
scientific community itself.

There are notable exceptions to this discourse. For example, there are those who
appreciate the connection of aspects as far apart, in principle, as subsidies and erosion rates.
This is the culmination of the top-down approach of the systemic approach models. Indeed,
one of the major achievements is to complete the model, in the sense of connecting all the
elements of the system. It is obvious that these connections can be made more precise and
improved over years. The important thing is to make the assumptions very clear and to
return to these questions whenever possible and pertinent. On the contrary, the bottom-up
approach, which is the immediate consequence of the reductionist approach of the scientific
method, tries to aggregate particles of knowledge in such a way that a complex system is
generated from the coupling of subsystems. As a consequence, its predictive capacity is
quite high. However, this approach has a number of disadvantages [149] that are critical
for our objectives: (i) they are models that need a large amount of data for their operation,
which, in arid areas, is often not possible; (ii) there is a great risk of error propagation; and
(iii) the strategy of trying to capture and replicate all kinds of processes makes bottom-up
models hardly reach ‘the top’.

Over the years, we have found a number of specialists in fields such as hydrology,
ecology, geography, or biology who have joined our working group and become enthu-
siastic advocates of the systemic approach. We must also acknowledge and thank the
valuable contributions of reviewers from outside SD, which have allowed us to improve
both models and manuscripts. One of the tools that are useful for involving participants
from different disciplines and institutions is Decision Support Systems (DSS). These are
very simple computer applications in which the user only has to press a series of buttons
to execute tasks such as moving from one screen to another or performing more or less
complex calculations. In our case, the DSS allow us to use Vensim© software v.5.8 [111]
through Visual Basic. This opens the door to use a widely spread program such as Excel
and to simulate SD models remotely, so that both scenarios and results are accessible from
a spreadsheet.

DSS can play a key role in expanding scientific production to society, since it allows
exploring, in a simple way, sophisticated simulation models and their results, involving
the decision-making processes [150] and reducing the resistance that often produces envi-
ronmental problems such as desertification [151]. Many of the methods developed during
these fifteen years have been channeled into a DSS called SAT (the Spanish acronym for
Early Warning System) [27,112,124]. SAT implements three SD models to cope with the
five desertification landscapes described in the SPAD, two of which are related to the
“rangelands affected by erosion” syndrome (Figure 12B). Despite their usefulness, we
agree with Oxley (2004) [152] on the limited role of DSS and simulation models and that
“decision-support for socio-natural systems is more fruitfully concerned with providing
the political actors involved a means of exploration than a set of ‘definite’ solutions” [152].
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Figure 12. SAT screens: (A) Main menu; (B) Implementation of SAT for dehesa rangelands, one of
the Spanish NAPD landscapes.

6. Conclusions

Simulation models are a vital tool for understanding the multiple dynamics that
converge on rangelands. This is the main land use in drylands and is key to the survival
of the poorest countries. Over the course of two decades, we have developed integrated
SD models to study Mediterranean rangelands and designed analytical tools coupled to
them. Our goal was to understand the interactions between the different components of the
system, to provide sustainability indicators, and to detect the main drivers of degradation
of these socio-ecological systems.

Since the beginning of our research activity, we have addressed the study of rangelands
from a holistic approach. Although multidisciplinarity in the study of socio-ecological
systems is repeatedly advised, in many cases, the specialist’s point of view and reluctance
to integrate knowledge from other disciplines still prevails. This is one of the burdens that
the modeler must learn to bear, distinguishing constructive criticisms from those that only
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arise from those who refuse to leave their discipline of comfort and do not admit other
points of view.

As we work on models, we encounter new challenges that call for new developments,
which has led us to versions that incorporate new elements. Currently, two situations
are of particular concern to us. On the one hand, the transformation of rangelands and
silvo-pastoral dryland systems to croplands increases the risk of desertification due to
increased pressure on the remaining rangelands or to the use of unsustainable cultivation
practices. To address this problem, it is necessary to include other land-use dynamics, and
one option is to link them with other models that we have implemented for other land uses,
such as groundwater-dependent irrigation systems. On the other hand, we have to take
into account the effects that move beyond the physical boundaries of rangelands due to
feed consumption. These are some of the possible paths that models will follow. At the
same time, new models usually require different analytical tools, which we have also been
developing over the years.

In an increasingly complex world, it is mandatory to use tools that can deal with it. Sim-
ply pointing out the contradictions that arise in land use management and bringing them
to the attention of stakeholders and politicians is, in our opinion, a valuable contribution.
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Abstract: Post-disturbance rangeland restoration efforts are often thwarted due to soil moisture
deficits. Superabsorbent polymers (SAPs) absorb hundreds of times their weight in water, increas-
ing soil moisture when the SAP is mixed with soil. The objective of this study was to evaluate
banded SAPs under the soil surface to increase plant available water and thus seedling establish-
ment for perennial rangeland species during restoration efforts. Five glasshouse experiments with
two rangeland perennial grass species, bottlebrush squirreltail (Elymus elymoides) or Siberian wheat-
grass (Agropyron fragile), were conducted. Treatments varied, including SAP rates ranging from
11–3000 kg ha−1 with placement mostly banded at depths extending from the surface up to a 15 cm
depth. Generally, SAPs increased soil moisture at all rates and depths for up to 49 days. However,
rates ≥ 750 kg ha−1 caused the soil to swell and crack, potentially hastening soil drying later in the
season. Seedling longevity was increased up to 12 days, especially at the high SAP band rate of
3000 kg ha−1 when the band was 8 or 15 cm deep. Further work is needed to verify banded SAP rates
and placement depths in the field, ascertain conditions to reduce soil displacement, and evaluate
benefits across species.

Keywords: superabsorbent polymer; SAP; hydrogel; rangeland; bottlebrush squirreltail; Siberian
wheatgrass; banding; restoration; Elymus elymoides; Agropyron fragile

1. Introduction

Rangelands can be defined as “all lands, except for urban, agricultural, or densely
forested lands, that support predominantly native or naturalized vegetation capable of
sustaining native or domestic grazing and/or browsing ungulates, whether or not those
animals are present” [1]. They provide economic benefits such as hunting, fishing, grazing,
and mining as well as environmental and public service benefits such as recreation, habitat,
water quality, and education [2]. In arid regions, the establishment of perennial species after
a disturbance is key to restoration success and invasive species management [3–5]. Drought
conditions make direct seeding efforts in rangelands notoriously challenging [6,7]. Seasonal
and yearly variations in precipitation impact seedling emergence and establishment; exotic
species add further stress to the system [8]. Their introduction and spread adversely
affects landscapes [9,10] by changing the make-up of the local plant community [11–14].
This alters wildlife habitat and food supplies, increases erosion, and modifies wildfire
characteristics [3,11].

Deep-rooted perennial grasses, forbs, and shrubs can reduce annual weed invasion,
thereby minimizing erosion and fire danger while providing forage [9,15,16]. Utilizing
water, nutrients, sunlight, space, and other resources, they inhibit the establishment of
exotic species [17,18]. Fire, insects, disease, overgrazing, and other destructive forces that
diminish these perennials free the resources that enable the establishment of invasive
species [19–21]. Extensive root systems help surviving established plants to effectively
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compete for water and nutrients after a disturbance [16,22,23]. However, young perennial
seedlings generally struggle to compete for water in arid and semi-arid systems where
invasive plants use early season soil moisture [4,16,21,24–26].

Superabsorbent polymers (SAPs) may help tip the scales in favor of perennial species
when banded directly below seedlings. This soil additive absorbs hundreds of times its
weight in water and then releases it slowly for plant use [27]. The use of SAPs reduces
soil compaction and water lost to deep percolation while increasing pore volume, water
infiltration, and moisture retention [27–31].

In agriculture, SAPs have been shown to help increase the time between the need for
irrigation, increase plant biomass, and improve fertilizer retention in the soil [32–35]. In the
greenhouse industry, plant survival is increased when root plugs of plants grown for trans-
planting into areas with a water deficit are formed by mixing in SAPs [36]. When placed
in a band under the soil surface, SAPs can act as a reservoir of water for young seedlings,
which can help alleviate drought conditions with the onset of summer heat [34,35]. Though
it diminishes over time, SAPs have the capacity to reabsorb water during precipitation
events, increasing the duration of the soil water reservoir effect [37–40].

Although less commonly used than in crop production, SAPs have been used in native
ecosystems to increase seedling longevity and control run-off and erosion [4,23,41–43]. El-
Asmar et al. [35] showed increases in evapotranspiration, water use efficiency, and seedling
growth parameters and survival time in irrigated agricultural conditions. However, to the
best of our knowledge, the banding of SAPs under the soil surface has not been explored in
native ecosystems. When facing competition for water from established invasive species,
young seedlings of seeded species may not be able to persist until their root systems grow
large enough to access moisture deeper in the soil profile. If banded SAPs can widen the
window of persistence, seedlings may grow roots deep enough to access available water
and increase the probability of survival until additional precipitation is received [24].

We hypothesize that dry SAPs placed in bands at or near seedling rooting depth will
act as a localized soil water reservoir to increase soil moisture and seedling establishment.
Five glasshouse studies, with bottlebrush squirreltail (Elymus elymoides (Raf.) Swezey)
and/or Siberian wheatgrass (Agropyron fragile (Roth) Candargy), were conducted to serve
as proof of concept and to evaluate various management strategies to best increase soil
moisture and seedling establishment in preparation for field studies, with the following
study objectives/justifications:

1. SAP Rate and Depth: Evaluate the effect of SAP rates (0, 1500, or 3000 kg ha−1)
and placement depths (0, 3, 8, or 15 cm depth bands, or mixed) to explore optimum
management strategies.

2. Reduced Seeding Rate: Assess the effect of seeding rates (2, 4, 8, or 16 kg ha−1) with
SAP bands (0 or 3000 kg ha−1) at 8 cm depth to determine if excessive inter-species
competition for soil moisture occurs as a function of increased germination with SAP.

3. Low SAP Rate: Evaluate the efficacy of SAP rates (0, 11, 47, 190, 750, or 1500 kg ha−1)
at 8 cm depth to determine if relatively low rates of SAPs would sufficiently increase
soil moisture to positively impact seedling health while keeping the soil surface intact,
which was a problem observed at high rates in field conditions.

4. SAP Depth and Root Growth: Assess the effect of SAP rates (0 or 3000 kg ha−1) and
placement depths (0, 3, or 8 cm, or mixed) to measure seedling root growth response
to SAPs.

5. Fertilizer and SAP Interaction: Evaluate the impact of fertilizer (with and without)
used in conjunction with SAPs (0 or 3000 kg ha−1) placed at 8 cm depth in addition to
measuring SAPs’ ability to reabsorb water.

2. Materials and Methods

2.1. Treatments

Five glasshouse experiments were conducted at Brigham Young University (BYU), Provo,
UT, USA (40.2454, −111.6415, elevation 1391 m). Various rates of SAP (11–3000 kg ha−1)
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were compared to an untreated control in a full factorial design with all combinations
of various SAP placement depths, seeding rates, species, and/or fertilizer (Table 1) ar-
ranged in a randomized complete block design (RCBD). Generally, the SAP was applied in
a concentrated band at or below the soil surface at various depths (Table 1). In Studies 1
and 4, there was a non-banded SAP treatment which consisted of mixing the SAP uniformly
with the soil (“mixed”)to a depth of 15 cm (Study 1) or 8 cm (Study 4).

Table 1. Five glasshouse study treatments, parameters, and measurements. Gray squares in the
treatments section indicate a treatment parameter for that study.

Study 1 2 3 4 5

Treatments

SAP, kg ha−1 0, 1500, 3000 0, 3000 0, 11, 47, 190,
750, 1500 0, 3000 0, 3000

SAP Depth, cm 0, 3, 8, 15, mixed
(top 15) 8 8 3, 8,

mixed (top 8) 8

Fertilizer no no no no with/without
Species * BB BB and SW BB and SW BB and SW BB and SW
Seeding Rate, kg ha−1 24 2, 4, 8, 16 8 4 6

Study Parameters

Study length, d 107 76 78 70 76/133 **

Dates 14 February to
1 June 2017

7 September to
22 November 2018

8 February to
27 April 2019

19 July to
27 September 2019

16 December to
28 April 2018

Replicates 4 4 3 4 6

Dimensions, cm 10 (each side) 10 (each side) 30 × 21.5 10 (diameter) 10 (each side)

Depth, cm 23 23 15 25 10

Thinned,
number@DAP 3@14 & 1@29 no 1@19 1@13 no

Saturation time, d 2 15 16 18 16

Measurements

Soil Moisture 3x/wk 3x/wk 3x/wk until 36 DAP
then 57 & 78 DAP weekly @4 depths 3x/wk

Seedling emergence
and total alive ***

8, 25, 29, 70, 72, 76, 81,
84, 86, 105, and

107 DAP
3x/wk ~3x/wk weekly weekly

Seedling length and
Blade number 76 DAP weekly no weekly weekly

Root length/branching no no no weekly no

Root/shoot biomass no no no yes no

* BB = bottlebrush squirreltail; SW = Siberian wheatgrass. ** all seedlings were dead by 76 d in Study 5, with
the rewetting portion of the study beginning at that time and ending on 133 d. *** total seedlings alive was not
measured in Study 1.

The SAP product used in these studies was Stockosorb® 660 micro (Evonik Industries
AG; Essen, Germany). This polymer is made of crosslinked potassium (K+) polyacrylate,
which produces an absorptive capacity of 260 l water (H2O) kg−1 [44]. It eventually, after
1–3 years in the soil, degrades to carbon dioxide (CO2), H2O, and K+ [28].

A potential unwanted effect of the degradation of Stockosorb® 660 is the release of the
essential plant nutrient K into the soil solution. However, the soil used in this study has
high K concentration (Table 2). As the K was not limiting for plant growth and high soil K
is not generally a specific ion toxicity concern, the K was not balanced across treatments.

The Stockosorb® 660 manufacturer recommends blending the product into the top
10 cm of soil or placing it in a band below the soil surface at rates up to 11 kg ha−1 at the
time of seeding in irrigated agricultural systems [45,46]. Higher rates are suggested when
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the product is used under conditions of low rainfall and high temperatures [46]. Our study
treatments included SAP placed at depths extending from the surface to 15 cm deep at
rates up to 272 times higher than the recommended agricultural rate to ensure observable
treatment effects in a non-irrigated, xeric system [47].

Study 5 included a fertilization treatment in addition to SAP rates. The fertilizer was
applied at 4 N, 17 P2O5, 17 K2O, 0.6 S, 0.6 Fe, 0.1 Zn, 0.1 Mn, 0.1 Cu, and 0.1 B (kg ha−1).
The micronutrients were all applied as the chelated form with ethylene diamine tetracetic
acid (EDTA) at a 1:1 ratio.

2.2. Soil and SAP Placement

The soil used in these studies was collected from the site for the eventual field testing
of SAP at Murray’s Mesa on the Utah Test and Training Range (UTTR) located in the
desert west of Salt Lake City, UT (41.040976, −112.982474; elevation 1392 m). The UTTR
serves as a practice bombing and gunnery range for the United States Department of
Defense by Hill Air Force Base, located in Layton, Utah, USA, and is an active revegetation
research site. The soil in the area is generally classified as a Tooele Fine Sandy Loam
soil [coarse-loamy, mixed (calcareous), mesic Typic Torriorthents] [48]. Although the
specific soil collected for this study mostly fits this classification, its textural class is loam
(Table 2). Soil analysis was performed at BYU’s Environmental Analytical Laboratory (BYU-
EAL, https://pws.byu.edu/eal (accessed on 13 May 2022)) and Servi-Tech Laboratories
(www.servitechlabs.com (accessed on 13 May 2022)) (Table 2).

Table 2. Soil properties [49]. Analysis performed at BYU’s Environmental Analytical Laboratory
(BYU-EAL, https://pws.byu.edu/eal (accessed on 13 May 2022)) except where noted. Properties
marked with “*” were analyzed at Servi-Tech Laboratories (www.servitechlabs.com (accessed on 24
May 2022)).

Properties Nutrients, mg kg−1

pH *a 7.8 NO3-N d 20
Salinity (dS m−1) a 8.9 P e 12

Texture b Loam Ke 1068
% Sand 30 Zn f 0.2
% Silt 49 Fe f 3.1

% Clay 21 Mn f 2.1
% Organic Matter c 1.3 Cu f 0.5

SAR a 2.6 Ca *g 3903
Mg *g 345
Na *h 2230

a Saturated Paste Analysis; b Hydrometer Method; c Loss-On-Ignition (LOI); d KCl extraction, analysis with
RFA (rapid flow analysis), FIAlab Flow Injection Cadmium Reduction Nitrate (FIAlabs, Tacoma, WA); e Olsen
bicarbonate, analysis with AAS (Atomic Absorption Spectroscopy), AAnalyst 200 Atomic Absorption Spectrometer
(PerkinElmer, Seattle, WA); f DTPA (diethylenetriaminepentaacetic acid) with ICP-OES (Inductively Coupled
Plasma-Optical Emission Spectrometry), iCAP 7400 ICP-OES Radial Analyzer (Thermo Scientific, Waltham, MA,
USA); g Ammonium Acetate Analysis; h Mehlich 3 ICP.

Containers for growing plants (Table 1) consisted of tall square plastic pots (Studies 1
and 2), short square plastic pots (Study 5), rectangular wooden boxes (Study 3; Figure 1), or
round clear plastic canisters (Study 4; B076 80 oz Clear PET Canister 110–400, Industrial
Container and Supply, Salt Lake City, UT, USA). The boxes in Study 3 allowed for a relatively
large surface area for a simulation of the planting furrows used in field reclamation projects
(Figure 1). All containers had holes in the bottom to enable the free flow of water into and
out of the containers. The bottom of each was lined to prevent soil loss. A single layer
of commercial grade laboratory paper towel was used in Studies 1, 2, and 5. A single
layer of Vigoro Weed Control Fabric (Nex Matrix, Wilmington, DE, USA) was used in
Studies 3 and 4.
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Figure 1. Frontal cross section diagram (a) of a grow box unit (b) containing soil with a superabsorbent
polymer (SAP) band 8 cm below the soil surface of the furrow valley.

For Study 4, holes were drilled in the sides of each canister at 3, 5, 8, and 10 cm below
the soil surface for volumetric soil moisture content measurements during the trial. The
holes for the 3 and 8 cm depths and the 5 and 10 cm depths were directly above/below
each other. The two groupings were offset by 8 cm. These holes were covered on the
outside of the canister with Parafilm “M” Laboratory Film (Pechiney Plastic Packaging,
Chicago, IL, USA), except during soil moisture measurements, to prevent soil and moisture
loss. The canisters were slipped into opaque sleeves of Prodex AD5 Insulation (Prodex, El
Coyol de Alajuela, Costa Rica) to prevent light reaching the roots. The covered canisters
were maintained at an approximate 30◦ tilt from horizontal with the seeded edge down to
encourage root growth along the side of the canister for ease in monitoring root growth.

For banded treatments, the soil was added to the desired depth, the SAP added, and
then additional soil added to within 5–6 cm of the top of the pots/canisters (Studies 1–2,
4–5) or 1 cm from the top of the wood box (Study 3). In Studies 1, 2, and 5, the SAP was
placed in a band across the middle of the pot. In Study 3, the SAP band ran front to back in
the middle of the box under the furrow. In Study 4, the banded SAP treatments were added
within 1 cm of the edge around the circumference of the canisters. Two studies included
treatments with the SAP mixed thoroughly into the top 15 (Study 1) or 8 cm (Study 4) of
soil. Soil was added to the containers to the correct depth then filled with the soil/SAP
mixture. The control treatments were added to the same depths without any layering.

2.3. Irrigation

The soil, with or without SAP, was saturated with deionized (DI) water for several
days (Table 1) immediately after (Study 1) or before (Studies 2–5) planting. This was done
by partially submerging the pots/canisters for all but Study 3, which was not submerged
due to the large size of the connected wooden box containers holding the soil (Table 1;
Figure 1). Rather, paper towels were temporarily laid on the soil to reduce soil erosion
while 4 l of DI water was added, followed by 0.4 l added on each of the next two days, and
then 0.2 l were added three times per week for 14 d.

In all but Study 1, weed seedlings had sufficient time to germinate and be removed,
and the soil was covered with black plastic sheeting during this time to reduce evaporation
and surface salt accumulation. In all studies, gravitational water was allowed to drain
for 1 d to reach field capacity, followed by the initiation of Study 1 or planting for Studies
2–5. The plastic covered the soil until the desired seedlings began to emerge. For Studies
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1–3, the goal was to drought-stress the plants; thus, no additional water was added after
initial saturation. In Study 4, the soil was rewet at 28–29 days after planting (DAP), as the
objective was to see if healthy plant roots avoid the SAP band. In Study 5, the soil was
rewet at 77–90 DAP after all seedlings had died to measure the ability of the SAP bands to
reabsorb water after complete dry down.

2.4. Species

Bottlebrush squirreltail was used in all studies, and Siberian wheatgrass was used in
all but Study 1 as model species. In studies with both species, they were seeded in separate
pots/canisters or in separate rows in Study 3 where they were randomly assigned to two
of four evenly spaced rows in each box. The rows ran perpendicular to the valley from one
peak to the other along the 30 cm width to create three seed positions relative to the band
location (valley, slope, and peak) (Figure 1).

Seeds were planted in dry soil for Study 1 and in moist soil in Studies 2–5. Seeding
rates ranged 2–24 kg ha−1 (Table 1), including variable seeding rate treatments in Study 2.
Seedlings were thinned in Studies 1, 3, and 4 (Table 1) (note: the recommended seeding
rates for these species are 7 and 6 kg ha−1, respectively [50,51]). Bottlebrush squirreltail is a
native perennial rangeland grass in the Great Basin region. Siberian wheatgrass is an intro-
duced perennial rangeland grass. Both species have been shown to compete well against
cheatgrass (Bromus tectorum L.) and other invasive species in arid environments [48,49].
These were seeded at 1 cm depth immediately prior to saturation in Study 1 and 1 d after
the saturation period ended, with the soil approximately at field capacity, for Studies 2–5.

Seedlings were grown without artificial lighting. Temperatures fluctuated from
13–28 ◦C, which is similar to the naturally occurring diurnal cycles for the region these soils
were collected from.

2.5. Measurements

Soil moisture was measured gravimetrically (Studies 1, 2, and 5) or volumetrically
(Studies 3 and 4) (Table 1). Gravimetric soil moisture was measured by weighing each
container of soil to determine the added weight of water to soil. Volumetric water content
was measured by an ML3 ThetaProbe Soil Moisture Sensor with HH2 Moisture Meter
(Delta-T Devices; Cambridge, England). In Study 3, inserting the moisture probe into the
soil created four openings in the soil (0.3 cm diameter × 6 cm deep and 2.5 cm apart in a
triangular pattern with a fourth hole in the center of the pattern). The probe was inserted
into the same locations each time to avoid excessive soil disturbance. It is logical that the
soil would be slightly dryer near these holes due to aeration. This issue was reduced in
Study 4 because the measurements were taken via holes drilled through the side of the
canister. The holes were kept covered with Parafilm “M” Laboratory Film (Pechiney Plastic
Packaging, Chicago, IL, USA) when measurements were not being taken.

For Study 3, the volumetric soil moisture was measured at the peak, slope, and valley
for each row in each compartment. When seedlings were thinned, every attempt was
made to leave them in locations that were not being used to measure soil moisture so as to
minimize disturbance. At 78 DAP, after all seedlings had died, corresponding soil moisture
measurements in undisturbed locations in each row were made to quantify the difference
between disturbed and undisturbed locations.

Generally, seedling emergence, total seedlings alive (longevity), length, and blade
count were measured (Table 1). In Study 2, the percent of planted seeds that emerged
(persistence) was determined weekly. Root length and branching and root/shoot biomass
were measured for Study 4 (Table 1). Seedling emergence is the number of seedlings alive
on the day of measurement. Total seedlings alive is the cumulative seedlings that emerged
during the study. Time to emergence was the amount of time it took for the seedlings to
emerge. Longevity is the number of days a seedling lived (seedlings were considered dead
if they snapped when the blade was bent and pinched at the base). Seedlings were thinned
in studies 1, 3, and 4.
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2.6. Statistical Analysis

The data from each trial were initially analyzed using a mixed model analysis in
JMP (SAS Institute Inc., Cary, NC, USA). Across the studies, the fixed variables included
SAP rate, SAP placement depth, seeding rate, date, species, and fertilizer depth. Random
effects included block, pot or box, row, and seed number. Each effect was analyzed as
appropriate for the given study. Random effects were removed when variance estimates
were negative or not significant. As appropriate, post hoc mean separation by the Tukey–
Kramer or Student’s t-tests was performed on seedling and soil moisture variables and
their interactions. In some instances, we were only interested in treatments compared to
the control, not to each other. In those cases, mean separation by the Student’s t-test with a
pseudo-Bonferroni adjustment set at 0.005 was used to analyze the desired comparisons.

3. Results

3.1. SAP Rate and Depth
3.1.1. Soil Moisture

The three-way interaction of SAP Rate*Placement Depth*Time on soil moisture was not
significant, but all other comparisons were highly significant (Table 3). The SAP increased
soil moisture with an average of 7.9% compared to the untreated control at 6.9%. When
averaged over the course the study, all SAP treatments but one had higher moisture than
the control (Figure 2).

 

Figure 2. Soil moisture as a function of a superabsorbent polymer (SAP) rate and placement relative
to an untreated control averaged across 108 d of a glasshouse study with bottlebrush squirreltail. The
SAP (1500 or 3000 kg ha−1) was blended with the soil to a depth of 15 cm or placed in a band at the
surface or at 3, 8, or 15 cm deep directly below the seed. The soil was then saturated and allowed to
dry down. Bars marked with “**” were highly significant at p < 0.0001.
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Table 3. Statistical results of a glass house study evaluating the effect of SAP depth (D), rate (R), time
(T), and their interactions on soil moisture, seedling longevity, shoot length, and blade count. Bolded
numbers indicate p < 0.05.

Soil Moisture Longevity Shoot Length Blade Count
Effect DF F Ratio Prob > F F Ratio Prob > F F Ratio Prob > F F Ratio Prob. F

D 4 33.6114 <0.0001 1.8968 0.137 2.3625 0.076 1.7452 0.172
R 1 146.3037 <0.0001 4.3468 0.046 4.848 0.036 6.9231 0.014
T 41 21.6824 <0.0001

D*R 4 28.3439 <0.0001 2.8533 0.041 3.5722 0.017 1.6961 0.182
D*T 164 2.9596 <0.0001
R*T 41 4.977 <0.0001

D*R*T 164 0.6947 0.998

3.1.2. Seedling Growth Parameters

The two-way interaction of SAP Placement Depth*Rate on seedling longevity was
significant (Table 2). The deepest placement depths, 8 and 15 cm, of 3000 kg ha−1 SAP
bands resulted in increased seedling longevity of 21 and 18 d, respectively (Figure 3). There
appears to be a trend toward increased seedling longevity for surface placement of both
the 1500 and 3000 kg ha−1 SAP bands. It is noteworthy that there was no negative impact
on seedling longevity at any depth or SAP rate.

 
Figure 3. Seedling longevity, number of days alive, as a function of a superabsorbent polymer (SAP)
rate and placement relative to an untreated control averaged across 108 d of a glasshouse study with
bottlebrush squirreltail. The SAP (1500 or 3000 kg ha−1) was blended with the soil to a depth of
15 cm or placed in a band at the surface or at 3, 8, or 15 cm deep directly below the seed. The soil was
then saturated and allowed to dry down. Bars marked with “*” were significant at p = 0.05.

As with longevity, the interaction SAP Rate*Placement Depth had a significant impact
on seedling length (Table 2). Although differences were measured, there were no clear
trends for shoot length. The 3000 kg SAP ha−1 rate at 8 cm depth increased seedling length,
while 1500 kg SAP ha−1 decreased it (Table 4).
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Table 4. Bottlebrush squirreltail seedling length, relative to an untreated control, as a function
of superabsorbent polymer (SAP) rate and placement for a glasshouse study. The SAP (1500 or
3000 kg ha−1) was blended with the soil to a depth of 15 cm or placed in a band at the surface or at 3,
8, or 15 cm deep directly below the seed; the soil was saturated and allowed to dry down. Bolded
lengths are significant.

Superabsorbent Polymer Rate
1500 kg ha−1 3000 kg ha−1

SAP Placement Depth Seedling Length Relative to Control (cm) p-Value Seedling Length Relative to Control (cm) p-Value

surface −0.8 0.722 2.8 0.232
3 cm 4.7 0.052 −0.6 0.787
8 cm −3.3 0.155 8.0 0.002

15 cm −5.9 0.032 −0.2 0.931
blended −2.8 0.220 −2.1 0.362

In contrast to longevity and shoot length, the only significant effect on the number
of blades was SAP Rate (Table 2). Both SAP rates had positive impacts on the number of
blades per seedling. The control averaged 1.7 blades per plant. The 1500 kg SAP ha−1 rate
increased the blade count over the control by 0.5, and the 3000 kg ha−1 rate increased it by
1.1 more blades per seedling. These are increases of 131 and 166% for each rate, respectively.
This response, at least in part, could be due to the increased longevity associated with
SAP treatments.

3.2. Reduced Seeding Rate
Soil Moisture and Seedling Growth Parameters

The four-way interaction of Species*Seeding Rate*SAP Rate*Time as well as all but one
of the interactions involving SAP were significant for soil moisture (Table 5). The overall
pattern was similar for both species, with the greatest difference in gravimetric water
content (GWC) occuring over the first ~20 d and then dropping approximately linearly
(Table A1, Figure 4). However, the magnitude of the increase in soil moisture for most
treatments was slightly greater for bottlebrush squirreltail (Table A1).

Table 5. Statistical results of a glass house study evaluating the effect of species (S), seeding rate (R),
SAP rate (SAP), time (T), and their interactions on soil moisture and persistence (percent of plants
alive) each day. Bolded numbers indicate p < 0.05.

Soil Moisture (Mixed Model) Persistence (Anova)
Effect DF DF Den F Ratio Prob > F DF F Ratio Prob > F

S 1 48 0.0107 0.722 1 316.8774 <0.0001
R 3 48 5.5306 0.012 3 1.0705 0.361

SAP 1 48 211.2814 <0.0001 1 122.6885 <0.0001
T 22 1056 32,415.25 <0.0001 23 70.231 <0.0001

S*R 3 48 3.2271 0.022 3 12.3834 <0.0001
S*SAP 1 48 3.1131 0.139 1 60.0828 <0.0001

S*T 22 1056 0.4209 0.995 23 3.404 <0.0001
R*SAP 3 48 3.1285 0.031 3 5.3187 0.001

R*T 66 1056 1.4408 0.005 69 0.6621 0.985
SAP*T 22 1056 63.6763 <0.0001 23 2.7546 <0.0001

S*R*SAP 3 48 3.5213 0.041 3 8.2626 <0.0001
S*R*T 66 1056 2.5588 <0.0001 69 0.3022 1

S*SAP*T 22 1056 2.6144 <0.0001 23 1.0073 0.452
R*SAP*T 66 1056 2.21 <0.0001 69 0.2722 1

S*R*SAP*T 66 66 2.8337 <0.0001 69 0.4985 1
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Figure 4. Increase in gravimetric water content (GWC) and viable seedlings as a function of superab-
sorbent polymer (SAP) application and time in a glasshouse study for bottlebrush squirreltail and
Siberian wheatgrass. Data were averaged across all seeding rates of 2, 4, 8, and 16 kg ha−1. The SAP
rate of 3000 kg ha−1 was placed in a band at a depth of 8 cm directly below the seed. Following
SAP treatment, the soil was saturated once and then dried down naturally over the time of the study.
For the treated plots, with square markers, the solid (filled in) markers indicate highly significant
(p < 0.0001) differences compared to the control for that day, and open (not filled in) markers are not
significant.

In contrast to soil moisture, the four-way interaction and most of the three-way
interactions were not significant for seedling persistence (Table 5). The only three-way
interaction that was significant for seedling persistence was Species*Seeding Rate*SAP Rate
(Table 5). All Siberian wheatgrass treatments had an increase in the percent of seedlings
alive. An increase for bottlebrush squirreltail was only seen at the 8 kg ha−1 seeding rate
(Figure 5). Interestingly, the 8 kg ha−1 seeding rate for bottlebrush squirreltail was the only
treatment that did not have an increase in soil moisture, although it trended similarly.
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Figure 5. Percentage of live seedlings (p < 0.0001) and percent soil moisture (p = 0.0218) as a function
of seeding rate and superabsorbent polymer (SAP) application averaged across 56 d of a glasshouse
study for bottlebrush squirreltail (on the left) and Siberian wheatgrass (on the right). The SAP rate
of 3000 kg ha−1 was placed in a band at a depth of 8 cm directly below the seed. Following SAP
treatment, the soil was saturated once and then dried down naturally over the time of the study.
Bars within a species for each variable that share the same letter are not statistically different from
each other.

Though the three- and four-way interactions for soil moisture and the one three-
way interaction for seedling persistence previously mentioned are statistically significant,
the associated F-statistics are relatively low, indicating that they are significant but not
practically important relative to other effects. Both soil moisture and persistence have
multiple significant two-way interactions (Table 5). However, each has one with a relatively
large F-statistic, indicating that this interaction is more likely to have mean differences
representative of the population at large than the others or even than the three- or four-way
interactions. As such, it is instructive and informative to analyze the effect of both the
SAP*Date and the Species*SAP interactions.

For both soil moisture and persistence, the SAP*Time interaction is highly significant
(Table 5). However, the F ratio for the impact of that interaction on soil moisture is an
order of magnitude larger than all other interactions for that variable (Table 5). There was
a difference in soil moisture between SAP treatments until day 44, remaining constant at
about 3% greater for the first 19 d, then reducing steadily for the rest of the study (Figure 4).
On average, the gravimetric water content (GWC) of 14.3% for SAP treatments throughout
the study was higher than the control at 12.4% (Table A1). The GWC in SAP treatments
ranged from 44.2% on the day of planting to 2.6% on the day that there were no more living
seedlings. In contrast, the control ranged from 41.3% to 2.4% in the same period (Table A1).

The difference in the percent of viable seedlings (persistence) between SAP treatments
was not significant but rose steadily for the first 14 d. It then stayed relatively constant at
about 10%, until day 37 when it sharply increased (Figure 4). The 3000 kg ha−1 SAP band
kept up to 30% more plants alive than the control for at least the last 7 d of increased soil
moisture (day 37 to 44). By day 49, there was no longer a difference in soil moisture. By day
51, the difference in the relative percentage of viable seedlings disappeared. All seedlings
had died by day 56 (Figure 4).

The interaction of Species*SAP is highly significant for persistence, with an F ratio
an order of magnitude larger than all but one interaction (Table 5). This interaction was
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not significant for soil moisture. Treatment with SAP increased persistence of Siberian
wheatgrass from 39 to 60% (Table A2, Figure 6). A trend in the same direction was observed
for bottlebrush squirreltail, but the magnitude was much less, 29 to 32%, and it was not
statistically significant.

 

Figure 6. Percentage of live seedlings (p < 0.0001) as a function of a superabsorbent polymer (SAP)
application averaged across 56 d of a glasshouse study and seeding rates of 2, 4, 8, or 16 kg ha−1

for bottlebrush squirreltail and Siberian wheatgrass. The SAP rate of 3000 kg ha−1 was placed in a
band at a depth of 8 cm directly below the seed. Following SAP treatment, the soil was saturated
once and then dried down naturally over the time of the study. Bars that share the same letter are not
statistically different from each other.

Seeding Rate and SAP did not impact seedling time to emergence or emergence
percentage (Table 6). However, there were differences across species for both (Table 6).
Days to emergence were 9 and 8 d for bottlebrush squirreltail and Siberian wheatgrass,
respectively. Percentage of seeds emerging were 50 and 80% for bottlebrush squirreltail
and Siberian wheatgrass, respectively.

Table 6. Statistical results of a glass house study evaluating the effect of species (S), seeding rate (R),
SAP rate (SAP), and their interactions on days to emergence and percent emergence. Bolded numbers
indicate p < 0.05.

Days to Emerge (Anova) % Emerged (Anova)
Effect DF F Ratio Prob > F DF F Ratio Prob > F

S 1 10.0268 0.002 1 24.2163 <0.0001
R 3 0.335 0.800 3 0.6647 0.578

SAP 1 0.0462 0.830 1 1.6028 0.212
S*R 3 0.3258 0.807 3 0.7814 0.510

S*SAP 1 1.7208 0.191 1 0.0098 0.922
R*SAP 3 0.2373 0.870 3 0.6838 0.566

S*R*SAP 3 0.4244 0.736 3 0.537 0.659

3.3. Low SAP Rate
3.3.1. Soil Moisture

Soil moisture in SAP treatments was nearly always numerically greater than the
control regardless of SAP Rate or Time, although only significant for some rates and
dates (Table 7, Figure 7). Regularly testing the soil with a probe affected soil moisture.
Comparison on day 99 of the soil moisture of the regularly tested areas of each row with
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the comparable untested areas of the same row revealed measurements that were nearly
double on the undisturbed side (p < 0.0001). The regularly tested areas had an average
volumetric soil moisture of 0.8% on day 99, in contrast to previously undisturbed soil at
1.5% (data not shown).

Table 7. Statistical results of a glass house study evaluating the effect of species (S), planting location
(L), SAP rate (R), time (T), and their interactions on soil moisture, as well as the effect of species and
location on seedling longevity. Bolded numbers indicate p < 0.05.

Soil Moisture Longevity
Effect DF F Ratio Prob > F F Ratio Prob > F

L 2 18.8207 <0.0001
S 1 0.2055 0.658 7.1565 0.008
R 5 0.9274 0.497 3.9492 0.002
T 16 7467.511 <0.0001

L*S 2 7.9641 0.0004
L*R 10 4.7621 <0.0001
L*T 32 3.7136 <0.0001
S*R 5 1.141 0.391 0.3532 0.880
R*T 80 4.7752 <0.0001

 
Figure 7. Volumetric Water Content (VWC) different from the control as a function of a superabsorbent
polymer (SAP) rate and time relative to an untreated control in a glasshouse study with bottlebrush
squirreltail and Siberian wheatgrass seeded at NRCS recommended rates. Data are averaged across
both species. The SAP rates of 11, 47, 190, 750, or 1500 kg ha−1 were placed in a band at a depth of
8 cm perpendicular to the seed rows. Following the SAP treatment, the soil was saturated once and
then dried down naturally over the time of the study. Bars with “*” indicate statistical significance
relative to the control within that day (p = 0.05).

3.3.2. Seedling Growth Parameters

There were no differences in seedling emergence (p = 0.539). The effects of Species and
SAP rate on seedling longevity were highly significant (p = 0.008 and p = 0.002, respectively),
while their interaction was not (p = 0.880) (Table 7). The 1500 kg SAP ha−1 rate had greater
seedling longevity than the next two lower rates and trended towards having greater
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longevity than the control. However, seedling longevity was not statistically different than
the control for any treatment (data not shown).

3.4. SAP Depth and Root Growth
3.4.1. Soil Moisture

The interaction of SAP Placement Depth*Measurement Depth*Time on soil mois-
ture was highly significant (Table 8, Table A3), but only when the soil was saturated.
On 0 DAP at 10 cm measurement depth, the treatments with SAP bands at 3 and 8 cm
depths held less soil moisture than the control (p <0.001). This difference disappeared over
time. (Appendix Table A3). The two-way interactions of SAP Placement Depth*Time and
Moisture Measurement Depth*Time were also highly significant; however, there were no
differences between SAP treatments and the control. (Table 8, Table A3).

Table 8. Statistical results of a glass house study evaluating the effect of species (S), SAP placement
depth (P), moisture measurement depth (M), time (T), and their interactions on soil moisture. Bolded
numbers indicate p < 0.05.

Soil Moisture
Effect DF DF Den F Ratio Prob > F

S 1 27 0.0082 0.929
P 3 27 0.9046 0.452
M 3 84 347.4975 <0.0001
T 7 189 1741.724 <0.0001

S*T 7 189 0.6996 0.672
P*M 9 84 0.7963 0.621
P*T 21 189 2.5507 0.0004
M*T 21 588 26.6123 <0.0001

P*M*T 63 588 1.864 0.0001

3.4.2. Seedling Growth Parameters

The interaction of SAP Placement Depth*Species on the total number of seedlings
emerged was significant (Table 9). The same was true when evaluating the effect of the
presence or absence of SAP on the total number emerged (Table 9). However, the difference
was only between the controls (no SAP) of both species, where two bottlebrush squirreltail
seedlings emerged, compared to one Siberian wheatgrass seedling. Neither species had
SAP treatments that were different than their respective species control. Seedlings in most
pots began emerging by 20 DAP. The exception was one bottlebrush squirreltail control,
which did not have a seedling emerge until 34 DAP. Excluding that pot from the analysis,
the Species*SAP Placement Depth interaction was highly significant for days to emerge
(Table 9). Seedlings emerged in the bottlebrush squirreltail treatment with SAP placed at
a depth of 3 cm 2.3 d faster than the control. Bottlebrush squirreltail with SAP placed at
a depth of 8 cm trended in the same direction, but the difference was not significant. No
other bottlebrush squirreltail and none of the Siberian wheatgrass treatments were different
from their respective controls.

Table 9. Statistical results of a glass house study evaluating the effect of species (S), superabsorbent
polymer (SAP) placement depth (D), and their interaction on seedling emergence, shoot and root
biomass, shoot:root ratio, time for roots to reach the bottom of the canister (Time), and root length at
3 weeks. Mean comparisons were also made orthogonally evaluating species (S), SAP presence or
absence (P), and the interaction of the two. Bolded numbers indicate p < 0.05.

Metric DF F Ratio Prob > F

Total emergence 7 4.6899 <0.0001
S 1 4.9145 0.028
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Table 9. Cont.

Metric DF F Ratio Prob > F

D 3 5.4387 0.001
S*D 3 3.8661 0.010

Total emergence orthogonal 3 3.9670 0.009
S 1 10.2095 0.002
P 1 0.0604 0.806

S*P 1 7.3098 0.008
Days to emerge 7 6.4688 <0.0001

S 1 27.2552 <0.0001
D 3 3.4673 0.018

S*D 3 3.4673 0.018
Days to emerge orthogonal 3 8.9142 <0.0001

S 1 22.2726 <0.0001
P 1 1.9267 0.167

S*P 1 1.9267 0.167
Shoot biomass 7 1.3774 0.266
Shoot biomass orthogonal 3 1.8039 0.172
Root biomass 7 3.0537 0.022

S 1 7.5978 0.012
D 3 2.3923 0.097

S*D 3 1.8964 0.161
Root biomass orthogonal 3 2.5516 0.078
shoot:root ratio 7 0.3117 0.941
Shoot:Root ratio orthogonal 3 0.119 0.948
Time 7 1.7013 0.166
Root length 21 DAP 7 0.8454 0.563
Root length 21 DAP
orthogonal 3 1.4936 0.241

A visual assessment suggests that root growth was not negatively impacted by SAP
presence, as roots traveled into and through the SAP band with no signs of diversion in any
of the pots (Figure 8). There were no impacts of SAP on shoot or root biomass, shoot:root
ratio, time for roots to reach the bottom of the canister, or length of roots 21 DAP for either
species (Table 9).

 

Figure 8. Seedling roots 5–12 cm below soil surface 51 d after planting: (a) bottlebrush squirreltail
control, (b) bottlebrush squirreltail with 3000 kg ha−1 SAP band placed at 8 cm depth, (c) Siberian
wheatgrass control, (d) Siberian wheatgrass with 3000 kg ha−1 SAP band placed at 8 cm depth.
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3.5. Fertilizer and SAP Interaction
3.5.1. Soil Moisture

Three of the four three-way interactions for soil moisture were significant (p < 0.0001):
Species*Fertilizer Depth*SAP, Species*SAP*Time, and Fertilizer Depth*SAP*Time (Table 10).
The SAP treatments with no fertilizer or fertilizer placed on the soil surface both held
a similar amount of gravimetric water throughout the study (Figure 9A). Both of these
treatments held more soil moisture than their control (the same fertilizer placement without
SAP), for the first 35 d for fertilizer placed on the soil surface and 40 d for no fertilizer.
The treatment of fertilizer placed directly into the SAP band 8 cm below the surface
held relatively more water than treatments with no fertilizer or fertilizer placed on the
soil surface throughout the study. That treatment also held more water than its control
(fertilizer placed at 8 cm depth with no SAP) for 49 d. The difference disappeared towards
the end of the study. The GWC was significantly higher for the fertilizer placed directly
into the SAP band at 8 cm depth than SAP treatment with no fertilizer 21, 24, and 26 DAP
(Figure 9A).

Table 10. Statistical results of a glass house study evaluating the effect of Species (S), Fertilizer
placement depth (F), SAP presence (SAP), Time (T), and their interactions on soil moisture each day.
Bolded numbers indicate p < 0.05.

Effect Nparm DF Den F Ratio Prob > F

S 1 59.79 0.0309 0.861
F 2 59.79 0.1003 0.905

SAP 1 59.79 84.938 <0.0001
T 29 1715 12,268.02 <0.0001

S*F 2 59.79 501,227 0.009
S*SAP 1 59.79 1.2507 0.268

S*T 29 1715 2.325 <0.0001
F*SAP 2 59.79 2.2206 0.117

F*T 58 1715 4.0967 <0.0001
SAP*T 29 1715 78.2095 <0.0001

S*F*SAP 2 59.79 0.9599 0.389
S*F*T 58 1715 3.5676 <0.0001

S*SAP*T 29 1715 4.0605 <0.0001
F*SAP*T 58 1715 2.2783 <0.0001

S*F*SAP*T 58 1715 1.2506 0.100

The two-way interaction of SAP*Time was also highly significant and had an F-value
an order of magnitude larger than any of the three-way or other two-way interactions
(Table 10). This indicates that that interaction held the bulk of the influence over the
changes in soil moisture compared to the influence of species in the interaction. Both
species behaved very similarly in that SAP treatments held more soil moisture for the first
~49 d of the study (Figure 9B).

3.5.2. Seedling Growth Parameters

The number of days to emergence was not impacted by fertilizer or SAP application,
species, nor any of their interactions (p = 0.460). However, the number of seedlings
emerged was significantly impacted by the Species*SAP interaction and Fertilizer Placement
Depth (p = 0.011 and p = 0.013, respectively). Bottlebrush squirreltail emergence was
not impacted by SAP, but Siberian wheatgrass increased 1.6 times that of the control
(Figure 10). Treatments with fertilizer did not increase the number of emerged seedlings,
and deeper fertilizer placement had a detrimental effect (Figure 11). The remaining two-
way interactions, Species*Fertilizer Depth and SAP*Fertilizer Depth, and the three-way
interaction did not have an impact (p = 0.720, p = 0.145, and p = 0.813, respectively).
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Figure 9. Gravimetric water content (GWC) for a superabsorbent polymer (SAP) fertilizer
glasshouse study with bottlebrush squirreltail and Siberian wheatgrass (data averaged across species).
(A) Increase in GWC with SAP (compared to the control without SAP) for fertilizer applied at the:
Surface, 8 cm below the surface, or No Fertilizer. Filled markers indicate significance compared to
the control (no SAP) for each fertilizer treatment (p < 0.0001). The symbol “*” indicates days where
No Fertilizer was statistically less than with fertilizer applied at 8 cm depth (p = 0.05). (B) The GWC
with or without SAP. Data are averaged across fertilizer treatments. Filled markers on the SAP line
indicate significance compared to the control (p < 0.0001).
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Figure 10. Number of seedlings emerged as a function of superabsorbent polymer (SAP) application
averaged across applied fertilizer depths of 0 and 8 cm and 77 d of a glasshouse study with bottlebrush
squirreltail and Siberian wheatgrass. The SAP rate of 3000 kg ha−1 was placed in a band at a depth of
8 cm directly below the seed. Following SAP treatment, the soil was saturated once and then dried
down naturally over the time of the study. Bars with the same letters are not statistically different
from each other. p = 0.05.

 

Figure 11. Number of seedlings emerged as a function of fertilizer placement depth compared to
an untreated control in a glasshouse study with bottlebrush squirreltail and Siberian wheatgrass.
Data were averaged over SAP presence at rates of 0 or 3000 kg ha−1 and across species. The soil was
saturated once and then dried down naturally over the time of the study. The fertilizer was placed at
a depth of 8 cm directly below the seed prior to saturation or at the soil surface at the time of planting.
Bars with the same letters are not statistically different from each other. p = 0.05.

205



Land 2023, 12, 232

Seedling longevity was impacted by Species, SAP Application, and Fertilizer Place-
ment Depth (p = 0.008, p = 0.0002, and p = 0.058, respectively). No interactions were
significant. Seedlings in treatments with SAP at a rate of 3000 kg ha−1 lived 38 d, which
was 11 d longer than the control (Figure 12). The fertilizer used in this study did not
favorably impact seedling longevity and had a negative impact when placed at the surface
(Figure 13).

 

Figure 12. Seedling longevity, number of days alive, as a function of superabsorbent polymer (SAP)
application averaged across 77 d of a glasshouse study with bottlebrush squirreltail and Siberian
wheatgrass. Data were averaged across species and fertilizer placement depth (0 or 8 cm). The SAP
rate of 3000 kg ha−1 was placed in a band at a depth of 8 cm directly below the seed. Following SAP
treatment, the soil was saturated once and then dried down naturally over the time of the study. Bars
marked with “**” are highly significant at p = 0.0002.

 

Figure 13. Seedling longevity, number of days alive, as a function of fertilizer placement depth in a
glasshouse study with bottlebrush squirreltail and Siberian wheatgrass. Data were averaged across
species and SAP rates of 0 and 3000 kg ha−1 applied in a band at a depth of 8 cm directly below the
seed. Following SAP treatment, the soil was saturated once and then dried down naturally over
the time of the study. The fertilizer was applied at a depth of 8 cm directly below the seed prior to
saturation or at the soil surface at the time of planting. Bars with different letters are statistically
different from each other p = 0.0584.
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3.5.3. Soil Rewet

SAP application increased soil moisture content when rehydrated but with reduced
effects after the initial saturation and dry down. An orthogonal comparison of gravimetric
water content on day 0 and day 40 after initial saturation compared to the same days
after rehydration as a result of SAP application was significant (p < 0.0001) (Figure 14).
Treatments containing SAP held 11.2% more soil moisture on day 0 after their initial
saturation in the fertilizer study compared to day 0 of their rehydration. At day 40 of the
fertilizer study, treatments with SAP after the initial saturation held 4.3% more moisture
compared to SAP treatments on day 40 after rehydration. Treatments with SAP held more
moisture than the control at both day 0 and day 40 after initial saturation in the fertilizer
study (p < 0.0001). That was also true for day 0 after rehydration. However, by day 40 after
rehydration, there was no difference in soil moisture content between SAP treatment and
the control (Figure 14).

 

Figure 14. Comparison of gravimetric water content (GWC) as a function of superabsorbent polymer
(SAP) application between original saturation for the fertilizer study and rehydration after dry-down
period of 77 d. Data were averaged across species and fertilizer placement depth (0 or 8 cm). The SAP
rate of 3000 kg ha−1 was placed in a band at a depth of 8 cm directly below the seed. Following SAP
treatment, the soil was saturated once and then dried down naturally over the time of the fertilizer
study then rehydrated. Bars with different letters are statistically different from each other. p < 0.0001.

Six bottlebrush squirreltail and eleven Siberian wheatgrass seedlings emerged after
the soil was rehydrated. They were evenly spread across SAP and fertilizer treatments. As
the number emerged represented only 4% (17/432) of the total number of seeds planted
and only 7% (17/247) of the seeds that did not emerge after the initial saturation, no further
analysis was done.

4. Discussion

4.1. Soil Moisture

In our perennial grass studies, soil moisture in a loam soil was increased significantly
with Stockosorb 660 micro bands applied at a depth of 8 cm below the soil surface at rates
of 1500 and 3000 kg ha−1 (0.1 and 0.2%). Soil moisture was increased over the control for
up to seven weeks, with the largest differences occurring at the time of saturation and
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diminishing over time. The largest impact of soil moisture on seedling longevity occurred
during approximately the last 12 days, when there was a significant soil moisture difference,
despite the difference in soil moisture being near its lowest point.

Higher levels of soil moisture observed in this study as a function of the band-applied
SAP are similar to other container studies with a variety of soil types, plant species, and
SAP particle sizes, sources, and rates when mixed into the soil [35,40,42,52–56]. In general,
such studies found SAP to increase soil moisture in sandy-textured soils at application
rates between 0.04 to 1.0% (approximately 600–15,000 kg ha−1). The effect decreased in
finer-textured soils. In studies with both sandy and clayey soils, the sands had increased
soil moisture, but the clays did not [35,52,54,55].

Our results were similar to El-Asmar et al. [35]. In a soil moisture characteristic study
with clay (C) or sandy clay loam (SCL) soils, they found numerically increased water
content with increasing SAP application rates of 0.1, 0.2, 0.3, and 0.4% (approximately
1700–7100 kg SAP ha−1) when Stockosorb 660 was blended into the full container of soil.
However, water holding capacity was only increased significantly at the 0.4% rate at matric
potentials of 30 and 200 kPa and the 0.3% rate at a matric potential of 100 kPa in SCL. In
a further study growing maize (Zea mays L.) in the same soils with the same SAP rates,
they reported increases in evapotranspiration (ET), which is indicative of increased soil
moisture [57]. Banded SAP at rates of 0.2, 0.3, and 0.4% (approximately 3400–7100 kg ha−1)
resulted in increased ET in SCL. Mixing the SAP with the soil resulted in increased ET only
for the 0.3 and 0.4% SAP rates in SCL. There were no differences in water content or ET
in their C soil. In our studies, when the SAP was mixed with the soil, we saw an increase
in soil moisture at SAP rates of 1500 and 3000 kg SAP ha−1 (approximately the 0.1 and
0.2% rates used by El-Asmar et al. [35]). We did not test higher rates in our studies. This
difference could be explained by the soil texture differences. Our loam soil had only 21%
clay compared to 45% clay in the El-Asmar C soil and 37% clay in their SCL, giving us
a much larger percentage of the soil particles in the larger sand and silt proportions. As
discussed above, SAP effects on soil moisture decrease in finer-textured soils.

Additionally, our studies were conducted over a much wider range of matric potentials.
El-Asmar et al. [35] measured water content at matric potentials no lower than 200 kPa
with the lowest gravimetric water content (GWC) of 23%. A matric potential of 200 kPa is
well within the range of plant available water, which is typically assumed to be between
30 kPa (field capacity) and 1500 kPa (permanent wilting point). We did not monitor matric
potential in our studies. However, the soil in our studies was saturated and then allowed to
dry down for 76–107 d—until all seedlings had wilted and died and GWC was measured as
low as 2.2%. It may be that the SAP holds more water than the surrounding soil as the soil
matric potential decreases, relatively increasing water content as the rest of the soil dries.

A third factor that may have increased soil moisture in our studies in treatments with
the SAP mixed with the soil is the fact that the SAP was only blended into the top 8 or
15 cm of soil of 25 or 23 cm deep containers, respectively, not the full soil volume. When
El-Asmar et al. [35] included treatments of SAP mixed into the soil, the SAP was blended
into the full container of soil. They [35] suggest that banded SAP would allow water to
diffuse into the soil below when it was saturated, but then act as a barrier to soil capillary
rise as the soil dried. Concentrating the SAP into a portion of the container, even if not
banded, could have a similar, though reduced, impact—slowing water movement from the
soil below and increasing the overall moisture holding capacity.

Application of SAP increases plant available water not only by absorbing and holding
water within the polymer, but it has also been shown to decrease bulk density and increase
soil porosity [28,34,35,53,58,59]. Soil pores vary in size and shape and are categorized as
macropores (>0.08 mm) and micropores (<0.08 mm). Macropores readily allow movement
of air, water, and plant roots through the soil profile, while movement through micropores
is more limited. Thus, an increase in soil macropore size can be beneficial. If, however, they
are large enough to create large subsurface voids, moisture may be more easily lost due to
drainage or evaporation [23]. This may result in a reduction in seedling longevity. Sarvaš
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et al. [60] found reduced transplant seedling survival with Stockosorb micro with Scotch
pine (also known as “Scot’s pine”; Pinus sylvestris). This was attributed to the swelling
of the SAP that “pushed up” the seedlings, resulting in their demise, likely due to loss
of soil moisture from large subsurface voids. No information is given on the size of the
planting hole, but we speculate that their application rate (7 g tree−1) was higher than
ours. Depending on the transplant method, the planting holes could have ranged between
approximately 8 and 25 cm in diameter. The applied rate of 7 g SAP mixed into each
planting hole would be equivalent to approximately 1400 and 14,000 kg ha−1.

Similarly, we frequently observed raised or cracked soil in our studies with SAP bands
at ≥750 kg ha−1. In general, the SAP broke through the soil surface, creating cracks, as it
became saturated and swelled. Soil cracking did not occur with the deepest (15 cm) SAP
placement. However, the entire soil surface in those pots was raised ~1 cm compared to the
controls. Bakass et al. [61] found that SAPs dry out ahead of the surrounding soil. Since it
is the absorption of water that causes the SAP to swell, it shrinks as it dries. It is plausible
that as the banded SAP swelled, it also spread to form a layer. This could have resulted in a
void below the surface as it dried, and the displaced soil retained its shape.

We found that the soil in the pots was divided into separate layers at the level of the
dried SAP after complete dry-down. This was similar to El-Asmar et al. [35] who observed
the formation of large air pores as individual SAP granules dried when mixed in the soil, as
well as the formation of distinct soil layers after drying when SAP was applied as a band.
The formation of large cracks and subsurface voids was likely exacerbated by both the
placement in a concentrated band and the relatively high SAP rates in our studies. These
cracks exposed the SAP and deeper layers of soil to air, light, and heat and could potentially
lead to faster drying of the soil. However, this did not result in reduced soil moisture in
these studies. As mentioned above, El-Asmar et al. [35] suggest that banded SAP, wet or
dry, prevents evaporative loss of soil moisture from beneath it, even when exposed to the
elements, thus maintaining higher soil moisture levels.

Reducing the SAP rates to reduce the threat of soil cracking always resulted in a
reduced impact on soil moisture level and longevity, if any impact occurred at all. Similarly,
Bandak et al. [62] found that the application of Super AB A-200 (Rahab Resin Co., Tehran,
Iran or Iramont, Inc. Laval, Quebec, Canada) at rates of 1000 and 2000 kg ha−1 increased
soil moisture. However, no effect was measured at the low rate of 500 kg ha−1. Hüttermann
et al. [42] suggest that there may be a minimum SAP concentration required to see an
increase in soil moisture. Curiously, in our reduced rate study, the two lowest rates, 11 and
47 kg ha−1, increased soil moisture for up to 11 d, but the 180 and 750 kg ha−1 rates did
not, possibly due to drying due to greater soil swelling. The 1500 kg ha−1 rate also did not
increase moisture in that study but did so in other studies. Increased soil moisture at the
lowest rates could possibly be a result of the formation of relatively smaller air pockets
created within the soil that still allowed for increased percolation and reduced evaporative
loss without disturbing the soil surface.

The one exception to increased soil moisture with high-rate SAP bands was the SAP
and Root Depth Study that showed no significant difference in soil moisture. Interestingly,
unlike the other studies, there was no soil cracking, either. That study was conducted
in round canisters with SAP placed in a band around the circumference of the canister,
rather than square pots with the SAP band running across the middle. This may have been
equivalent to reducing the amount of SAP at any one spot, thus reducing the soil cracking
as the band swelled, but also reducing the positive impact on increased soil moisture.

Several other studies have also reported reduced SAP absorptive capacity when resat-
urated after complete dry-down of the soil [38–41,55,63–67]. Holliman et al. [39] reported
that the largest decrease was observed in the first 18 months of use. Bai et al. [38] reported
significant reductions of 73–99% in SAP water absorbency of four different SAPs after five
rewet cycles over 5 months. Banedjschafie and Durner [40] found that water retention of Su-
per AB A-200 at application rates of 0.3, 0.6, and 1.0% (approximately 3400–15,000 kg ha−1)
thoroughly mixed into sandy soil reduced significantly after the first wetting/drying cycle
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but was significantly increased over soil alone. They also found plant available water
decreased by about 50% compared to the initial saturation after six months of repeated
wetting and drying. Zhang et al. [37] found that the superabsorbent resin AG101 (Formosa
Plastic Corporation, Kaohsiung City, Taiwan) absorbed and reabsorbed water 30–50 times
before degrading. The reduction in absorbency has been attributed to degradation due to
weathering, microbial action, and exposure to salts [27,34,38,40,43,53,55,56,63–66].

The gradual replacement of the original structural SAP cations (usually sodium (Na+)
or K+) with calcium (Ca2+) and/or magnesium (Mg2+) is one possible source of the reduced
absorption efficiency of SAPs [38,40,55,56,67]. Banedjschafie and Durner [40] attributed the
reduction in SAP absorption to specific salts, especially Ca2+, in the soil solution, while
water-soluble phosphorus (P) and K had only a moderate effect on the reduction in water
uptake. Yu et al. [56] attribute the reduction to the exchange in adsorbed cations within the
SAP structure itself. They report that the strongest reduction is associated with bivalent
cations, especially Ca2+ and Mg2+, compared to monovalent cations, especially Na+ and
K+. We saw indications of this effect in our studies (Figure 9). The UTTR soil used in this
study was especially high in Ca2+ and Mg2+ (Table 2), but GWC was increased with the use
of a fertilizer high in K+ applied to the band. If the application of monovalent cations in or
near a subsurface SAP band would improve its absorptive capacity, lower SAP rates could
provide desired establishment or soil moisture results while reducing soil disturbance.

4.2. Seedling Growth Parameters

The use of banded SAP in these studies resulted in the same or better seedling longevity
and/or persistence without any apparent negative impact on rooting. Significant longevity
increases were measured at times, but only consistently at the highest rate of 3000 kg ha−1

and only at placement depths of 8 and 15 cm, where the highest soil moisture was also
measured. Despite soil cracking and subsurface voids, there was no negative impact on
longevity at either the 1500 or 3000 kg ha−1 rate at any placement depth. When it was
measured, we found no effect on seedling emergence, longevity, shoot or root biomass,
shoot:root ratio, or root growth.

There has been very little research done on the effects of placing SAP in a concentrated
band in the soil on plant growth, but it may have a positive impact. El Asmar et al. [35]
found similar longevity results which they attributed to the creation of soil water reservoirs
in banded SAP. They applied SAP in clay (C) and sandy clay loam (SCL) soils at rates of
0.1, 0.2, 0.3, and 0.4% (approximately 1700–7100 kg SAP ha−1), either mixed with the soil
or placed in bands 25 cm below the soil surface to pine (Pinus pinea) seedlings. They found
an increase in seedling survival time with SAP rates of 0.2 and 0.4% when placed in bands.
There was no difference relative to the control when the SAP was mixed in the soil. They
also found increased corn shoot fresh and dry weights when the same SAP rates were
banded and placed at a depth of 15 cm, but not when the SAP was mixed into the soil. We
found no clear influence of SAP band application on plant height but did see an increase in
the number of blades per plant. The extreme drought conditions of our studies prevented
the seedlings from developing into mature plants. However, the increased blade count
indicates the possibility that an increase in above-ground biomass may have resulted if
they had persisted.

Other works have demonstrated that SAPs, in general, do have a positive impact on
plant growth [25,42,43,68,69]. Lucero et al. [43] used both starch- and acrylic-based SAPs
and found a significant effect on leaf biomass and area in black grama grass (Bouteloua
eriopoda), another long-lived, warm-season rangeland grass species. Additionally, Hütter-
mann et al. [42] reported pronounced growth of Aleppo pine (Pinus halepensis) seedling
shoots and roots under drought conditions with Stockosorb K 400 mixed into the soil at a
concentration of 0.4% (w/w approximately 7000 kg ha−1). Rezashateri et al. [25] found simi-
lar results in a containerized study of wormwood (Artemisia sieberi), a variety of sagebrush,
with three different SAPs, including one from Stockosorb, at rates of 5 and 10 g kg−1 soil
(or approximately 1800–3700 kg SAP ha−1). Yang et al. [69] found that SAP rates between
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30–45 kg ha−1 increased biomass, grain number, and yield in corn grown in low-rainfall
conditions. Coello et al. [68] found that Aleppo pine growth generally increased with
increased SAP application but noted a saturating effect.

Reducing the banded SAP rates below 1500 kg ha−1 in these studies did not impact
seedling longevity compared to the control. This is in contrast to Johnston and Gar-
bowski [70], who documented benefits to perennial grass establishment in field studies
with in-season irrigation and application of two SAPs (Luquasorb 1280 RM and Tramfloc
1001) at rates of 310 and 450 kg ha−1 blended with the seed. This contrast could be due to
different SAPs, higher soil moisture, field conditions, and direct seed placement in their
study. The swelling of the dispersed SAP and any resulting soil cracking or subsurface
void formation would also have been diffused across the planting area.

Root growth affects seedling establishment [25,26,71]. This may be especially true for
seeded native species competing with invasive annuals in arid conditions [26]. We saw no
SAP influence on any seedling root parameters for the first 7 weeks (approximately 20 cm)
of growth of bottlebrush squirreltail and Siberian wheatgrass in the SAP Depth and Root
Growth study. In contrast, Garbowski [72] saw higher root mass fraction in a field study
using the same SAP as in our studies but at rates of 250 kg ha−1 and blended to a depth
of 10 cm. The increase in root mass was dependent on other treatments such as ambient
precipitation and increased cheatgrass presence. Rezashateri et al. [25] found increases in
sagebrush root dry weight and root/shoot ratio with all tested SAPs and irrigation levels
in sandy loam soil. Some treatments, including Stockosorb at 10 g kg−1 (4000 kg ha−1) at
75% average irrigation rate, resulted in increased root length, perimeter, area, and volume.
Bandak et al. [62] saw an increase in root length and weight of rain-fed wheat with the
application of the superabsorbent polymer A200 SAP. Zhou et al. [66] found shorter roots
with more surface area in an irrigated summer maize (Zea mays) using organic–inorganic
composite superabsorbent polymers, which are SAPs incorporating inorganic materials
such as clays. Hüttermann et al. [42] found that the growth of Aleppo pine root tips stopped
during water stress, but in the presence of SAP, the adventitious and side roots were able to
continue to grow.

Our contrasting results may be a function of the length and the severe drought condi-
tions of our studies. The impact of SAPs on seedling survival is diminished over multiple
growing seasons [4,36,72]. This could be a function of the degradation of the product [39]
or the plant roots growing beyond the placement location. Our trials were too short to
observe SAP degradation, but we did not find any difference in root growth to and through
SAP bands compared to the control in our study. However, the use of SAP has been shown
to increase soil moisture in this and other studies, which may positively impact seedling
survival in the short term [35,42,43,68,70].

Some differences were observed between species in these studies, with Siberian wheat-
grass responding more favorably to SAP than bottlebrush squirreltail. The number of days
to emergence was not affected by SAP treatment in any study where it was measured.
In most studies, the number of seedlings emerged was also not impacted. However, the
number of Siberian wheatgrass seedlings that emerged was increased 1.6 times with SAP
treatment in the Fertilizer study. Siberian wheatgrass persistence increased with SAP
application in the Reduced Seeding Rate study. Bottlebrush squirreltail trended in the same
direction, but this trend was not significant. This is similar to Minnick and Alward [4], who
found that Aquasorb (Ark Enterprises, Warsaw, MO, USA), a cross-linked Na-polyacrylate
SAP, increased survival of rubber rabbitbrush (Ericameria nauseosa) but not big sagebrush
(Artemisia tridentata) or four wing saltbush (Atriplex canescens). The effects may be varied
for different types of grasses as well. More research is needed to determine species that
may benefit from banded SAP use more than others.

Though SAPs are reported to hold fertilizers in place to increase plant access and
growth [27,73], we found the use of a low-N fertilizer, with or without SAP, had no positive
impact on seedling emergence or longevity. In fact, application of the fertilizer at a depth
of 8 cm negatively affected the number of seedlings that emerged, but not their longevity.
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This was despite an increase in soil moisture when SAP was also present at that depth.
Applying the fertilizer at the soil surface negatively impacted seedling longevity but did not
impact soil moisture. The use of fertilizers has been shown to negatively impact seedling
establishment in restoration efforts in arid regions [74,75]. It is possible that rangeland
species that have evolved in harsh conditions without additional nutrition inputs could be
negatively impacted if SAPs held not only water, but also increased nutrient concentrations
near their roots [40,56].

Drought severity may impact the effectiveness of SAP. In a containerized study using
Aleppo pine, Del Campo et al. [76] found that three SAPs (Aguaspon, Stockosorb, and
Terracottem) mixed into the soil at rates of 0.01 and 0.1% (180–1800 kg ha−1) were effective
in moderate drought conditions, with effects diminished at suction tensions higher than
30 kPa. This would indicate that the effects of SAPs diminish beginning at about field
capacity, much wetter than the dry soils in these studies or those found in the field during
the summer. Garbowski et al. [72] reported no establishment effects on first-year field-
grown rangeland seedlings under drought conditions, in contrast to positive effects in the
deficit-irrigated agriculture condition. They suggest there may be a soil moisture threshold
for positive effects on soil moisture content. Their SAP application rates were 1/6–1/12
those used in these studies, and higher rates could allow for higher moisture holding
capacity. Rezashateri et al. [25] found that higher rates of SAP, 10 g kg−1 compared to
5 g kg−1 (or approximately 1800–3700 kg SAP ha−1), had a greater impact on the growth of
wormwood at 75% of the normal precipitation rate than 100 or 150% applied every 30 d to
simulate natural precipitation patterns. In contrast, most of our studies were conducted
under what should be considered severe drought conditions. It is entirely possible, though
unlikely, that no further moisture inputs would occur during a growing season in the Great
Basin. If the SAP was present and could increase soil moisture enough to allow seedlings to
survive to the next precipitation event or allow the seedling roots to grow deep enough to
find moisture lower in the soil profile, it could greatly impact seedling establishment rates.
The benefits would need to be balanced against the need for higher SAP rates to capture
and retain enough soil moisture as well as possible soil cracking and seedling death due
soil displacement by swelling higher SAP rates.

Severe drought conditions may also explain why we did not see an impact on seedling
longevity or other growth parameters when the SAP was mixed in the soil. The effects of
mixing SAP into the soil were measured in only two of our studies. In the SAP Rate and
Depth study, we observed a significant increase in soil moisture over the duration of the
study but no increase in seedling longevity. This could be due to the trial conditions. SAPs
have been used in agriculture when mixed in the soil to reduce the number of irrigations
needed [32–34]. They have also been shown to increase seedling growth in rangeland
applications when mixed into the soil [36]. In each of these situations, there are at least
occasional additions of water through irrigation or precipitation. In our studies, the soil
and SAP were saturated once and then allowed to dry down. No additional water inputs
after initial saturation would have greatly increased the drought severity over the course of
the studies relative to field conditions.

The utility of SAP use for seedling establishment will likely vary depending on location
and project. Precipitation, temperature, terrain, and site size are just some of the factors that
determine restoration success generally and SAP feasibility specifically. Priced between
USD 5.00–6.18 kg−1 (USD 2.27–2.80 lb−1) (Ken Aguilar, Global Plastic Sheeting, San Diego,
CA, USA; personal communication (2017); Scott Mecom, Creasorb, Omaha, NE, USA;
personal communication (2017)), the cost per kg of Stockosorb 660 micro is low relative
to restoration seed mixes. Seed budgets for reseeding projects in the Great Basin run
between USD 185–865 ha−1 (USD 75–350 acre−1), with the average falling between USD
370–500 ha−1 (USD 150–200 acre−1) (Josh Buck, Granite Seed, Lehi, UT, USA; personal
communication (2018)). To increase the likelihood of seeing a response, SAP was used in
these initial studies at rates ranging from 11 to 3000 kg ha−1. At these rates and prices, the
cost for Stockosorb 660 micro would range from USD 55–18,500 ha−1.

212



Land 2023, 12, 232

There are several mitigating financial factors to consider, however. It may be possible
to procure SAP at a lower price if purchased in very large quantities. The soil in these
studies only received one saturating irrigation at the time of planting. Having the ability
to reabsorb water during multiple precipitation events, lower amounts of SAP may be
required to increase establishment in the field. If used in a band, the SAP must be buried
in the ground, presumably with an attachment to a range drill. As such, it may only be
used with species and in areas with terrain and slope that permit that seeding method or
something similar, limiting the amount needed to be purchased. Improved establishment
rates could reduce the amount of seed, and thus the cost, needed each year. If establishment
rates are successfully improved, the need and cost to reseed the same area multiple times
may also be reduced or eliminated. Rather than being used on the entire reseeding area, SAP
could be used facilitate assisted succession. Bio-islands or green firebreaks of established
perennial grasses could provide a free seed source, invasive species control, fire protection,
and erosion reduction for the larger landscape, allowing other species to establish. Invasive
weed and fire suppression provided by perennial grasses could also help reduce the overall
restoration costs for the site by reducing the amount of money spent to manually, chemically
or mechanically do the same. Once SAP effectiveness is demonstrated in the field, future
studies should be done to evaluate the SAP effect on establishment in the field, determine
best SAP and seeding rates, and determine species best suited to SAP use to improve the
seedling establishment rate while lowering restoration costs.

5. Conclusions

We found that when mixed with the soil or placed in bands, moisture in the soil
was increased at SAP rates of 1500 and 3000 kg ha−1 for up to 7 weeks under glasshouse
conditions. We found seedling longevity improvements under the same conditions in
two rangeland species, bottlebrush squirreltail and Siberian wheatgrass, when SAP was
placed in bands at a rate of 3000 kg ha−1 at 8 and 15 cm depth. In some cases, we saw
inconsistent trends or impacts at lower SAP rates. Soil moisture increased with SAP bands
placed more shallowly, but seedling longevity was not impacted. However, at the high
SAP rates, we observed soil cracking and the creation of subsurface voids which could
impair soil moisture. Fertilizer placed in the SAP band increased soil moisture, but there
was no benefit to seedling longevity. Generally, the two species responded differently to
the presence of SAP, but there were some similarities. Further research should determine
which species would benefit most. Because these are preliminary data from a glasshouse
study, future work should evaluate banded SAP use under field conditions. The low cost of
the SAP relative to the cost of seed makes it an appealing option in rangeland restoration.
However, swelling SAP at high rates displaces soil, and lower rates do not seem to provide
enough increase in water holding capacity within the soil to affect seedling establishment.
Targeted applications where deeper band placement is possible could counteract the soil
cracking. As such, banded SAP is potentially a better option to establish bio-islands or
green firebreaks rather than as a general application.
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Appendix A

Table A1. Gravimetric water content (GWC) for bottlebrush squirreltail and Siberian wheatgrass
grown in treatments with and without superabsorbent polymer (SAP) at seeding rates of 2, 4, 8,
or 16 kg ha−1 (1/4, 1/2, 1, or 2 times the NRCS recommended seeding rate). All treatments were
watered only once to saturation and allowed to dry down.

Bottlebrush Squirreltail Siberian Wheatgrass
Seeding Rate, kg ha−1

—-2—- —-4—- —-8—- —-16—- —-2—- —-4—- —-8—- —-16—-
ctrl SAP ctrl SAP ctrl SAP ctrl SAP ctrl SAP ctrl SAP ctrl SAP ctrl SAP

Day
Gravimetric Water Content, %

0 41.0 44.6 42.0 44.9 41.3 44.2 41.2 44.0 42.2 44.5 41.2 43.0 39.6 45.3 42.1 42.9
2 36.4 40.5 37.7 40.9 36.2 39.9 37.0 40.2 38.0 40.0 36.3 38.8 35.5 41.0 36.6 39.3
5 31.2 34.8 32.9 35.5 30.6 34.5 31.8 34.3 32.8 34.6 30.9 33.4 29.3 35.3 31.5 33.8
7 28.7 32.5 30.6 33.3 28.4 32.1 29.3 31.9 30.4 32.1 28.4 31.0 26.9 32.8 29.2 31.6
9 26.4 30.3 28.4 31.0 26.1 29.7 26.8 29.7 28.2 29.9 26.1 28.6 24.8 30.2 26.7 29.2
14 18.4 22.1 19.4 22.4 17.3 21.5 17.5 21.3 20.2 20.4 17.7 20.3 16.2 22.3 18.6 20.6
16 15.6 19.2 16.2 19.5 14.5 18.3 14.5 18.3 17.2 17.2 14.8 17.5 13.5 19.4 15.5 17.6
19 13.1 16.8 14.0 17.0 12.5 15.8 12.5 16.0 14.6 15.1 12.7 15.1 11.7 16.8 13.3 15.2
21 9.7 13.2 10.6 13.2 9.6 11.9 9.4 12.6 10.7 12.0 9.6 11.6 9.0 12.7 9.8 11.7
23 8.3 11.1 8.9 10.8 7.8 10.0 7.9 10.6 9.0 10.0 8.1 9.6 7.5 10.6 8.2 9.8
26 7.2 9.6 7.7 9.3 6.6 8.8 7.0 9.2 7.7 8.7 7.1 8.3 6.5 9.1 7.1 8.5
28 6.8 9.0 7.2 8.5 6.0 8.2 6.5 8.5 7.1 8.1 6.6 7.7 6.1 8.5 6.5 7.9
30 6.5 8.5 6.9 8.2 6.2 7.8 6.3 8.2 6.8 7.7 6.4 7.4 5.9 7.9 6.3 7.5
33 5.8 7.7 6.3 7.4 5.6 7.2 5.7 7.4 6.1 7.0 5.7 6.7 5.4 7.0 5.6 6.8
35 4.9 6.5 5.3 6.2 4.8 5.9 4.8 6.2 5.1 5.9 4.9 5.7 4.6 5.9 4.8 5.6
37 4.7 6.2 5.1 5.9 4.5 5.7 4.7 5.9 4.9 5.6 4.6 5.5 4.3 5.6 4.5 5.4
40 4.0 5.4 4.3 5.1 3.9 4.5 4.0 5.1 4.2 4.9 4.2 4.7 3.7 4.9 3.9 4.6
42 3.7 4.9 3.9 4.7 3.5 4.0 3.6 4.7 3.8 4.4 3.6 4.3 3.4 4.4 3.6 4.2
44 3.4 4.6 3.7 4.4 3.3 3.7 3.4 4.4 3.5 4.2 3.4 4.0 3.2 4.1 3.4 4.0
49 2.8 3.6 2.9 3.4 2.6 2.7 2.7 3.4 2.8 3.2 2.7 3.2 2.6 3.2 2.8 3.1
51 2.7 3.4 2.8 3.2 2.5 2.6 2.7 3.2 2.7 3.1 2.6 3.0 2.5 3.1 2.6 3.0
54 2.5 3.0 2.5 2.9 2.3 2.3 2.5 2.9 2.4 2.7 2.4 2.7 2.3 2.8 2.4 2.7
56 2.4 2.9 2.5 2.8 2.3 2.2 2.4 2.8 2.4 2.7 2.4 2.6 2.2 2.7 2.4 2.6

Table A2. Persistence (percent of seedlings alive) for bottlebrush squirreltail and Siberian wheatgrass
grown in treatments with and without superabsorbent polymer (SAP) at seeding rates of 2, 4, 8,
or 16 kg ha−1 (1/4, 1/2, 1, or 2 times the NRCS recommended seeding rates). All treatments were
watered once to saturation and allowed to dry down.

Bottlebrush Squirreltail Siberian Wheatgrass
Seeding Rate, kg ha−1

—-2—- —-4—- —-8—- —-16—- —-2—- —-4—- —-8—- —-16—-

ctrl SAP ctrl SAP ctrl SAP ctrl SAP ctrl SAP ctrl SAP ctrl SAP ctrl SAP
Persistence, %

Day
4 0 0 0 0 0 0 0 0 0 0 6 0 3 0 0 0
5 0 0 0 0 0 0 2 0 13 25 25 31 28 19 16 25
7 13 0 19 13 22 28 34 25 50 75 56 75 50 69 50 66
9 50 38 25 38 31 38 36 31 63 75 56 75 50 69 53 69

12 50 38 38 44 31 53 41 36 63 75 69 81 63 72 53 70
14 50 38 38 50 47 59 45 52 63 75 69 94 69 75 56 81
16 50 38 38 56 50 63 48 50 63 75 75 94 69 78 61 81

214



Land 2023, 12, 232

Table A2. Cont.

Bottlebrush Squirreltail Siberian Wheatgrass
Seeding Rate, kg ha−1

—-2—- —-4—- —-8—- —-16—- —-2—- —-4—- —-8—- —-16—-

ctrl SAP ctrl SAP ctrl SAP ctrl SAP ctrl SAP ctrl SAP ctrl SAP ctrl SAP
Persistence, %

Day
19 50 38 38 56 50 63 48 52 63 75 75 94 69 78 61 81
21 50 38 38 44 50 59 47 52 50 75 75 94 69 78 63 80
23 50 38 38 44 50 59 47 52 50 75 75 94 69 78 63 80
26 50 38 38 44 50 56 47 52 50 75 75 94 69 78 63 80
28 50 38 38 44 50 56 47 52 50 75 63 94 69 78 63 80
30 50 38 38 38 50 53 47 50 50 75 56 94 69 66 53 77
33 50 38 38 38 50 53 47 50 50 75 56 94 69 66 53 77
35 50 38 38 38 50 53 47 50 50 75 56 94 69 66 53 77
37 50 38 38 38 44 50 42 50 50 75 31 88 44 56 42 73
40 50 38 38 25 34 50 17 42 50 75 13 88 28 56 34 64
42 38 25 19 19 16 47 6 36 38 75 6 81 19 50 13 58
44 25 25 13 13 13 41 2 28 38 63 0 75 6 41 5 42
47 25 25 13 13 13 41 2 27 38 63 0 75 6 38 5 42
49 13 25 6 6 6 38 0 22 25 50 0 63 3 31 5 39
51 0 13 0 0 3 9 0 3 0 38 0 38 0 9 0 8
54 0 0 0 0 0 0 0 0 0 0 0 19 0 0 0 2
56 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0 0

Table A3. Soil moisture with associated p-values for individual dates × superabsorbent poly-
mer (SAP) placement depth × measurement depth. Values within a grouping that are significant
(p-value < 0.05) are in bold-face type and have means separated for statistical significance. Values
not sharing the same letter(s) are statistically different from one another.

Days after Planting 0 4 13 20 27 34 41 50

SAP depth
3 cm measurement depth

control 36.0 g 31.9 22 9.4 4.6 20.6 15.5 13.4
3 cm 35.9 g 30.4 18.9 10.2 6.3 23 18.2 13.3
8 cm 36.6 fg 31.7 21.4 12.4 4.2 19.8 14.8 13.5

mixed 34.8 g 29.7 19.1 10.5 4.8 19.4 16.8 13.8
5 cm measurement depth

control 38.3 ef 36.4 30.1 19.2 13.5 17.4 12.8 10.6
3 cm 38.3 ef 34.8 27.9 19.1 15.2 20.9 16.4 11.4
8 cm 38.4 def 35.3 28.9 19.1 11 20.8 15.6 10.5

mixed 39.2 cde 36.5 29.5 19 12.8 20.5 15.5 9.9
8 cm measurement depth

control 39.9 cde 37.7 31.54 23.4 16.8 18.3 14.1 11.7
3 cm 39.2 cde 37 32.6 23.7 18.7 22.6 18.3 12.5
8 cm 40.1 bcd 37.7 31.7 20.7 13.3 20.4 15.4 11.8

mixed 39.5 cde 37.5 30.2 22.6 16.7 21.9 17.4 12.5
10 cm measurement depth

control 42.6 a 39.6 33.8 25.7 19.1 19.1 15.1 10.2
3 cm 39.5 cde 37.5 34.6 25.9 21.1 21.9 14.5 10.5
8 cm 40.6 bc 38.6 33.4 24.5 19.9 21.8 15.3 10.9

mixed 41.7 ab 38.9 32.2 24.9 17.8 20.6 16.3 13

p-values <0.001 0.514 0.219 0.221 0.128 0.159 0.491 0.586
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Abstract: Human activities and climate change are the main factors causing habitat loss, jeopardising
the survival of many species, especially those with limited range, such as endemic species. Recently,
species distribution models (SDMs) have been used in conservation biology to assess their extinction
risk, environmental dynamics, and potential distribution. This study analyses the potential, current
and future distribution range of Salvia ceratophylloides Ard., an endemic perennial species of the
Lamiaceae family that occurs exclusively in a limited suburban area of the city of Reggio Calabria
(southern Italy). The MaxEnt model was employed to configure the current potential range of the
species using bioclimatic and edaphic variables, and to predict the potential suitability of the habitat
in relation to two future scenarios (SSP245 and SSP585) for the periods 2021–2040 and 2041–2060. The
field survey, which spanned 5 years (2017–2021), involved 17 occurrence points. According to the
results of the MaxEnt model, the current potential distribution is 237.321 km2, which considering
the preferred substrates of the species and land-use constraints is re-estimated to 41.392 km2. The
model obtained from the SSP245 future scenario shows a decrease in the area suitable for the
species of 35% in the 2021–2040 period and 28% in the 2041–2060 period. The SSP585 scenario
shows an increase in the range suitable for hosting the species of 167% in the 2021–2040 period
and 171% in the 2041–2060 period. Assessing variation in the species distribution related to the
impacts of climate change makes it possible to define priority areas for reintroduction and in situ
conservation. Identifying areas presumably at risk or, on the contrary, suitable for hosting the species
is of paramount importance for management and conservation plans for Salvia ceratophylloides.

Keywords: conservation; Calabria; climate changes; endangered species; Italy; MaxEnt; SSP245;
SSP585; vascular plants

1. Introduction

Human activities and climate change are the main causes of habitat and biodiversity
loss [1–6], seriously threatening the survival of many species, especially those with limited
distribution and, especially, endemic species [7–14].

The 20th century saw the strongest warming trend of the last millennium, with an
increase in average temperatures of approximately 0.6 ◦C, compared to pre-industrial times
(1850–1900) [15–19]. Estimates suggest that future temperature increases could exceed this
value, with an increase of between 0.1 and 0.2 ◦C expected per decade [19]. In addition,
climate change, combined with economic globalisation, rapid infrastructure development,
and human activities, has favoured the spread of invasive alien species, which, by rapidly
expanding their range, affect natural habitats and lead to the extinction of species, especially
those with limited ranges [20–26].

Land 2023, 12, 247. https://doi.org/10.3390/land12010247 https://www.mdpi.com/journal/land
219



Land 2023, 12, 247

The Mediterranean region is characterised by high plant biodiversity and a remarkable
richness of endemic species, which is due to several factors acting simultaneously [27–30].
Several authors assessed the impact that climate change could have on the distribu-
tion of species, particularly species with limited distributions, such as endemic species,
which are more sensitive than others to environmental change and are at greater risk of
extinction [10,31–36]. To this end, the ecological variables that influence the natural distri-
bution of endemic species must be studied to identify the areas where they occur or could
occur [10,32,37,38]. Currently, one of the most widely used systems for determining the
environmental limits of species is the MaxEnt prediction model (Maximum Entropy Species
Distribution Modeling) [39], which uses bioclimatic data and species occurrence to predict
species distributions based on the maximum entropy theory, estimating a probabilistic
distribution that is as uniform as possible but subject to environmental constraints [40–47].

The MaxEnt model has been used extensively in the field of conservation biology: it
allows the prediction of the current and future potential range of a species [48,49]. Compared
to other prediction models, it is more stable and reliable and works quickly and easily in
modelling rare species with restricted ranges and limited occurrence data [43,47,50–53].

Lamiaceae, one of the largest families of angiosperms, includes more than 7000 species
distributed throughout the world, with several species characterised by essential oils [54–58].
In the Italian flora, among the endemic species of this family with an extremely limited
range [59,60], whose existence may be threatened in the near future by climate change,
there is Salvia ceratophylloides Ard. (Figure 1), a species growing exclusively in southern Italy
in the hill belt of the suburb of Reggio Calabria. It is clearly distinguished from the other
perennial sage species of the Salvia pratensis L. group, to which it belongs [61,62], mainly
by its wrinkled, pinnatifid leaves with toothed lobes [63,64]. Its chromosome number is
2n = 6x = 54 [65]. Salvia ceratophylloides (Figure 1) is a perennial herbaceous plant (scapose
hemicryptophyte), densely pubescent with both glandular and simple patent hairs, has a
main flowering period in spring from April to June, and has a second flowering period in
autumn from October to November. Pollination is entomophilous, mediated mainly by
hymenoptera (Eucera sp., Bombus sp., Apis sp.). The fruiting occurs after some flowering
weeks. Seed dispersal is mainly carried out by ants (myrmecochory) [64]. Seed germination
takes place mostly in spring, seedlings reach reproductive maturity (small generative)
within 4–5 months, while they tiller (Large Generative) in the following year [13].

Figure 1. Details of the inflorescence, flowers, and habitat of Salvia ceratophylloides Ard. in its natural
habitat (Ph. V.L.A. Laface).
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The species was known only in a few nearby places, as can be seen from bibliographical
references from 1800 [66,67] to the early 1900s [68,69], when, moreover, it was already very
rare. Subsequently, despite the research of various botanists, the species was no longer
found, having disappeared from the locations mentioned in the literature (Gallico Superiore,
Terreti, Straorino, Ortì, Vito Superiore, Pietrastorta) [69]. For this reason, the species was
considered extinct in 1997 and included in the “Libro rosso della flora d’Italia” (Red Book
of the Flora of Italy) among the extinct species (EX) [70] and confirmed by Del Carratore
and Garbari [71] and Scoppola and Spampinato [72].

Subsequent surveys in 2008 revealed four new occurrence points in the surroundings
of Reggio Calabria at sites approximately 10 km from those for which the species was
known in the literature of the early 1900s, each consisting of a few dozen individuals,
totalling nearly 100 mature individuals [73–76].

Laface et al. [13] carried out field surveys between 2017 and 2021 and identified
17 occurrence points, always in the suburbs of Reggio Calabria, some of these with a small
number of individuals. Salvia ceratophylloides covers an “Extent of Occurrence” (EOO) of
4.2 km2 and an “Area of Occupancy” (AOO) of 7 km2: this made it possible to assess the
species as “Critically Endangered” (CR) [13,64,76] according to IUCN (International Union
for Conservation of Nature) criteria and categories [77].

Salvia ceratophylloides grows spontaneously in the habitat of the EEC Directive 43/93:
“5330 thermo Mediterranean and predesert scrub” subtype “32.23 Diss dominated gar-
rigues”. This habitat includes Mediterranean steppe, such as grasslands with Ampelodesmos
mauritanicus (Poir.) Dur. & Schinz., sands vegetation with Artemisia campestris subsp.
variabilis (Ten.) Greuter, and more rarely in garrigues, characterised by Cistus creticus L.
subsp. creticus and Thymbra capitata (L.) Cav. The most frequently growing species with
S. ceratophylloides, in addition to the aforementioned species, are some grasses (Lagurus ovatus L.,
Avena barbata Link, Macrobriza maxima (L.) Tzvelev, Hyparrhenia hirta (L.) Stapf., Dasypyrum
villosum (L.) P. Candargy), several dwarf shrubs (Micromeria graeca (L.) Benth. ex Rchb.,
Phlomis fruticosa L.), and some shrubs (Cytisus infestus (C.Presl) Guss. subsp. infestus,
Spartium junceum L.). Mostly, they are widespread species in the Mediterranean steppic
grassland and garrigues [64,76]. The populations are located on hills at altitudes between
250 and 450 m a.s.l., characterised exclusively by layers of loose sands, alternating with
banks of soft Pliocene calcarenites [78]. The species grows in a territory with average
annual temperatures of 18 ◦C and an average annual rainfall of 600 mm, concentrated
in the autumn, the months of November and December, and a summer dry period of
approximately 5 months [13,64]. According to Pesaresi [79], the bioclimate is classified as
oceanic pluviostagional Mediterranean, with upper thermo-Mediterranean thermotype
and lower sub-humid ombrotype.

Numerous physiological studies have been carried out on S. ceratophylloides, and these
have shown that the species has a very strong adaptive capacity to future climate change,
and develops resilient forms of defence [80–82].

In order to safeguard the habitat of S. ceratophylloides, it is of fundamental importance,
both theoretically and practically, to understand which areas are potentially suitable from a
current and future climatic perspective. This, correlated with population dynamics [13],
will make it possible to determine the most appropriate locations for effectively targeting
conservation strategies aimed at protecting and reintroducing this critically endangered
species. The aim of our study, therefore, is to analyse the species distribution patterns
(SDM) of S. ceratophylloides by interpolating the occurrence points with environmental
variables, and to model current and future scenarios to assess the current distribution and
predict the habitat’s conservation capacity in the context of climate change [19].

2. Materials and Methods

2.1. Species Occurrence Data

Information concerning the current distribution of S. ceratophylloides was obtained
during fieldwork carried out between 2017 and 2021 [13], and also considering historical
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information reported in the literature by several authors [66–69,73–76] and verified in the
field. For each point of occurrence, field coordinates were taken and the substrate and plant
community recorded.

The collected data were analysed using QGIS 3.26.3® software (OSGeo, Beaverton, OR,
USA) [83].

2.2. Environmental Variables

In order to model the potential habitat of S. ceratophylloides, based on its current occur-
rence, a total of 22 ecological variables were considered (Table 1); specifically, 19 bioclimatic
and 3 topographic. This information was obtained from the WorldClim database [84,85]
at a spatial resolution (expressed as minutes of a degree of longitude and latitude) of
30 s (approx. 1 × 1 km). The topographic variables were extracted using QGIS 3.26.3®

software [83].

Table 1. Description of variables used in the prediction of the MaxEnt model. The variables in bold
were selected through Pearson’s correlation analysis and were used in the modelling.

Code Description Unit

Bio 1 Annual Mean Temperature ◦C
Bio 2 Mean Diurnal Range (Mean of monthly (max temp–min temp)) ◦C
Bio 3 Isothermality (BIO2/BIO7) (*100) %
Bio 4 Temperature Seasonality (standard deviation *100) %
Bio 5 Max Temperature of Warmest Month ◦C
Bio 6 Min Temperature of Coldest Month ◦C
Bio 7 Temperature Annual Range (BIO5-BIO6) ◦C
Bio 8 Mean Temperature of Wettest Quarter ◦C
Bio 9 Mean Temperature of Driest Quarter ◦C

Bio 10 Mean Temperature of Warmest Quarter ◦C
Bio 11 Mean Temperature of Coldest Quarter ◦C
Bio 12 Annual Precipitation mm
Bio 13 Precipitation of Wettest Month mm
Bio 14 Precipitation of Driest Month mm
Bio 15 Precipitation Seasonality (Coefficient of Variation) %
Bio 16 Precipitation of Wettest Quarter mm
Bio 17 Precipitation of Driest Quarter mm
Bio 18 Precipitation of Warmest Quarter mm
Bio 19 Precipitation of Coldest Quarter mm
Elev. Elevation meter
Slope Slope degree
Aspe. Aspect degree

Information on the environmental variables is an essential parameter for building
a predictive model: however, overuse of the environmental variables may increase the
spatial correlation between them, leading to overfitting and reducing the transferability
of the model [86]. To avoid overfitting, it is necessary to calculate the correlation between
all variables considered and exclude the highly correlated variables, which exponentially
improves the predictive ability of the model [87]. For this purpose, Pearson’s correlation
analysis [88] was carried out using Past 4.1.4 © software (Hammer, Oslo, Norway) [89].
Environmental variables with correlation values falling in the following range were con-
sidered significant: −0.8 ≤ r ≤ +0.8. To assess the dominant environmental variables,
i.e., those that defined the potential distribution of the species, the jackknife test [90] was
performed. For the modelling of future scenarios, the Global Climate Model (GCM) BCC-
CSM2-MR was used, with this model producing excellent results in many studies at the
European and Mediterranean level [91,92]. For the scenarios reference for the IPCC’s Sixth
Assessment Report [19], where four Shared Socioeconomic Pathways (SSPs) are assumed:
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• SSP585: with an additional radiative forcing of 8.5 W/m2 by the year 2100;
• SSP370: with an additional radiative forcing of 7 W/m2 by the year 2100;
• SSP245: with an additional radiative forcer of 4.5 W/m2 by the year 2100;
• SSP126: with an additional radiative forcer of 2.6 W/m2 by the year 2100.

To make the modelling more reliable and plausible, the scenarios SSP585 (most ex-
treme) and SSP245 (intermediate) were chosen, for the periods 2021–2040 and 2041–2060.

Pearson’s [88] correlation analysis made it possible to determine six ecological vari-
ables (out of 22) useful for modelling the distribution of the species. Five bioclimatic
variables (Bio 1, Bio 4, Bio 13, Bio 14, Bio 19) and one topographic variable (Elev.) were
found to be significant (−0.8 ≤ r ≤ +0.8) (Table 1, Figure 2). These variables were also used
for modelling the future scenarios. Variables with values >0.8 and those <−0.8 were not
considered in order to avoid overfitting.

Figure 2. Pearson correlation analysis of significative environment variables for Salvia ceratophylloides
Ard. (−0.8 ≤ r ≤ +0.8). Created with Past 4.1.4 © (Hammer, Oslo, Norway).

2.3. Model Construction

The distribution point data (species and geographical coordinates, saved in .csv format)
and the resulting bioclimatic variable data were imported into MaxEnt 3.4.4® (American
Museum of Natural History, New York, NY, USA) [93,94].

In the analysed models, 75% of the data were selected for model training (calibra-
tion), using a maximum number of iterations of 1000, and 25% as test data, for model
validation [93,94], keeping the other values as defaults. The Bootstrap method was used,
implemented with 10 repetitions and the multiplier value at 0.5. The output format is
complementary log-log (cloglog).

The accuracy of the generated model was verified using the Receiver Operating
Characteristic (ROC) curve analysis method. The ROC curve has as the ordinate the
percentage of true positive values (the ratio that exists and is expected to exist) and as the
abscissa the percentage of false positive values (the ratio that does not exist but is expected
to exist) [95]. The AUC (Area under the Curve) value is the area enclosed between the
abscissa and the ROC curve, and has a range between 0.5 and 1. The higher the AUC value,
the greater the distance from the random distribution, the more relevant the correlation
between the environmental variables and the geographic distribution of the species, and
the more reliable the predictive power of this model.
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Conversely, the predictive power of the model is not very reliable. The model’s
performance is classified as: inadequate with AUC values ranging from 0.5 to 0.6; poor
with values ranging from 0.6 to 0.7; reasonable with values ranging from 0.7 to 0.8; good
with values ranging from 0.8 to 0.9; and excellent with values ranging from 0.9 to 1. The
necessary means of measuring the model performance is the AUC score, as it has a strong
independence from threshold choices. The smallest difference between the training and
test AUC data (AUCDiff) was also observed; a lower difference indicates less overfitting in
the model [96].

2.4. Distribution Maps: Visualisation and Analysis

For the visualisation and investigation of the distribution areas of the species, the
models created with the software MaxEnt (range 0–1) [39] were imported into the software
QGIS 3.26.3 [83]. The areas found to be suitable for the species were grouped into 5 habitat
potential classes (ranging from 0 to 1): highly unsuitable (≤0.20); unsuitable (0.21–0.40);
moderately suitable (0.41–0.60); highly suitable (0.61–0.80); very highly suitable (≥0.80).
For each model, the area for each selected class was calculated using QGIS [83].

To define the real distribution of the species, we interpolated the current and future
models on the geological map of Calabria [78] and with the land use map of the Region of
Calabria “Carta di Uso del Territorio” [97] using the software QGIS. In the first case, we
considered the geological substrates on which the species grows, i.e., sands, calcarenites
and conglomerates more or less cemented. In the land use map, which is divided into
five macro-categories of land cover (1. Artificial surfaces; 2. Agricultural areas; 3. Forests
and semi-natural areas; 4. Wetlands; 5. Water bodies), we considered land cover 2 and 3,
because S. ceratophylloides grows in areas with a highly fragmented mosaic of agricultural
and semi-natural habitats [13].

3. Results

3.1. Natural Distribution Data

A total of 23 occurrence points of S. ceratophylloides are known (Figure 3), of which
17 currently occur in the area (albeit with a small number of individuals for occurrence
points) while 6 are extinct: occurrence point 13 became extinct in 2019 and had only one
individual in the previous year; occurrence point 19 was reported in 2008 [73] and was not
found in subsequent years during field surveys; occurrence points 20, 21, 22, and 23 are
historical reports dating back to the early 1900s [68,69] and were not found in the second
half of the last century [71].

3.2. Analysis and Evaluation of Environmental Variables

The calibration of the current potential distribution model for S. ceratophylloides,
using the variables thus selected, was optimal (AUC mean = 0.986, ±0.001; AUCDiff
(0.09 ± 0.006).

From the results obtained with the jackknife test, we know that the distribution of
S. ceratophylloides is mainly influenced by the precipitation of wettest month (Bio 13), the
annual mean temperature (Bio 1), and the precipitation of the coldest quarter (Bio 19);
these contributed 69.3%, 7.8%, and 11.4%, respectively, to the MaxEnt model (Figure 4). In
addition, two other environmental variables (Bio 4, Bio 14) contributed a total of 8.3% to the
habitat distribution model and 3.2% to the topographic variable (Elev.) (Figure 4, Table 2).

In view of the importance of the permutation, the precipitation of wettest month (Bio
13) had the greatest impact on the model with 66.9%, the annual mean temperature (Bio 1)
with 13.3%, while the other variables contributed a smaller percentage, totalling 19.8%.

Considering the six bioclimatic variables previously selected, the mean annual tem-
perature range (Bio 1) of S. ceratophylloides is 15.7–19.7 ◦C, and the temperature seasonality
(Bio 4) is 549–576%. In addition, the average precipitation in the wettest month (Bio 13) is
108–111 mm, in the driest month (Bio 14) it is 10–15 mm, and in the coldest quarter (Bio 19)
it is 256–297 mm, on average. The altitude ranges from 11 to 689 m a.s.l.
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Figure 3. Occurrence points of Salvia ceratophylloides Ard. In blue are the micro-populations currently
occurring, in orange the extinct ones. 1—Serro Ciugna, Mosorrofa; 2—Serro Ciugna, Mosorrofa;
3—Spilingari, Armo; 4—Contrada S. Todaro, Aretina; 5—Contrada S. Todaro, Aretina; 6—Serro dei
Morti, Puzzi fraz. di Gallina; 7—Prai, Aretina; 8—Prai, Aretina; 9—Aretina; 10—Aretina; 11—Grotta
di S. Arsenio, Armo; 12—Mosorrofa vecchio; 13—Mosorrofa vecchio; 14—Serro d’Angelo, Puzzi
fraz. of Gallina; 15—Prai, Aretina; 16—Prai, Aretina; 17—Serro della Cattina, Aretina; 18—Serro
della Cattina, Aretina; 19—Lutrà, Fiumara di Sant’Agata; 20—Galluzzi, Gallico Superiore; 21—Pietra
Storta; 22—Croce Missionaria, Terreti; 23—Fontana Acqua Fresca, Straorino. In the top left-hand
corner, the distribution area of the points of occurrence is highlighted in red.

Figure 4. Relative predictive power of different environmental variables based on the jackknife of
regularised training gain in MaxEnt models for Salvia ceratophylloides Ard.
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Table 2. Percent contribution and permutation importance of environmental variables used to predict
the MaxEnt model of Salvia ceratophylloides Ard. [SSPs- future scenarios (see text) Bio 1, Bio 4, Bio 13,
Bio 14, and Bio 19. Elev (see Table 1)].

Time SSPs Variable Bio 1 Bio 4 Bio 13 Bio 14 Bio 19 Elev.

Present time
Percent contribution (%) 7.8 7.3 69.3 1 11.4 3.2
Permutation importance (%) 13.3 1 66.9 0.8 9 9

2021/2040

245 Percent contribution (%) 7 5.5 86.3 0.1 0.9 0.2
Permutation importance (%) 0.1 1.1 97.8 0.2 0.6 0.

585 Percent contribution (%) 24.4 15.4 40.7 0 3 16.5
Permutation importance (%) 52.4 0 25 0.2 21.7 0.7

2041/2060

245 Percent contribution (%) 11.9 12.1 73.4 1 1.3 0.3
Permutation importance (%) 13.7 0.6 78.7 0.8 5.4 0.7

585 Percent contribution (%) 16.5 14.2 25.6 0.1 42.6 1
Permutation importance (%) 15.4 1.5 76 0.1 0.8 6.2

3.3. Current Potential Distribution of Salvia ceratophylloides

The current estimated potential habitat for S. ceratophylloides is located exclusively in the
south/west of the Italian peninsula and Calabria (Figure 5): this corresponds to a total area of
237.321 km2, equal to 1.58% of the entire regional territory and 0.08% of the Italian territory. In
relation to the probability of occurrence of the species, the area is distributed as follows: very
highly suitable (≥0.80) with an area of 30,440 km2 (0.20%); highly suitable (0.61–0.80) with an
area of 20,962 km2 (0.14); moderately suitable (0.41–0.60) with a surface area of 59,434 km2

(0.39%); and unsuitable (0.21–0.40) with a surface area of 126,485 km2 (0.84%). The remaining
territory (14,813,597 km2, 98.42%) is unsuitable for the species (Table 3).

Table 3. Classification of habitat suitability in relation to the probability values for the presence of Salvia
ceratophylloides Ard. (highly unsuitable (≤0.20); unsuitable (0.21–0.40); moderately suitable (0.41–0.60);
highly suitable (0.61–0.80); very highly suitable (≥0.80); area in km2, relative percentage (%) in relation
to the entire regional territory, % decrease (−) or increase (+) of the area suitable for the species.

Time SSP Unit Area tot. ≥0.80 0.61–0.80 0.41–0.60 0.21–0.40 ≤0.20

Present time
km2 237.321 30.440 20.962 59.434 126.485 14,813.597

% 1.58 0.20 0.14 0.39 0.84 98.42

2021/2040

245
km2 153.986 25.020 18.258 26.326 84.382 14,896.932

% 1.02 0.17 0.12 0.17 0.56 98.98
% inc./dec. −35.11 −17.81 −12.90 −55.71 −33.29 +0.56

585
km2 633.513 129.708 94.667 171.816 237.322 14,417.405

% 4.21 0.86 0.63 1.14 1.58 95.79
% inc./dec. +166.94 +326.11 +351.61 +189.09 +87.63 −2.67

2041/2060

245
km2 171.414 29.071 22.984 41.241 78.118 14,879.504

% 1.14 0.19 0.15 0.27 0.52 98.86
% inc./dec. −27.77 −4.50 +9.65 −30.61 −38.24 +0.44

585
km2 643.814 145.446 122.362 150.514 225.492 14,407.104

% 4.28 0.97 0.81 1.00 1.50 95.72
% inc./dec. +171.28 +377.81 +483.73 +153.25 +78.28 −2.74

226



Land 2023, 12, 247

Figure 5. Prediction of the current potential distribution of Salvia ceratophylloides Ard. In white, highly
unsuitable habitat (≤0.20); in blue, unsuitable (0.21–0.40); in green, moderately suitable (0.41–0.60);
in yellow, highly suitable (0.61–0.80); in red, highly suitable (≥0.80). In the top left-hand corner, the
Calabria region within the Italian territory is highlighted in green.

3.4. Future Potential Distribution of Salvia ceratophylloides

The jackknife test (Figure 6) reveals that the distribution of S. ceratophylloides with
SSP 245 over the 2021–2040 period is mainly influenced by the precipitation of the wettest
month (Bio 13) with 86.3%, an annual mean temperature (Bio 1) with 7%, and a temperature
seasonality (Bio 4) with 5.5%; the remaining variables contributing a total of 1.2%. Regard-
ing the importance of permutation, the most influential variable is Bio 13 with 97.8%. With
SSP 245 in the 20-year period between 2041–2060, the variables that contribute the most
are the precipitation of the wettest month (Bio 13) with 73.4%, the temperature seasonality
(Bio 4) with 12.1%, and the annual mean temperature (Bio 1) with 11.9%; the remaining
variables contribute a total of 2.6%.

Regarding the SSP585 scenario in the 20-year period between 2021–2040, the variables
contributing most to the model are Bio 13 with 40.7%, Bio 1 with 24.4%, Bio 4 with 15.4%,
and Elev. with 16.5%; the remaining variables contribute 3% (Table 2). By permutation
importance, there are Bio 1 with 52.4%, Bio 13 with 25%, and Bio 19 with 21.7%; the
remaining variables with 0.8%. For the 20-year period between 2041–2060, the variables
contributing most to the model are Bio 19 with 42.6%, Bio 13 with 25.6%, Bio 1 with 16.5%,
and Bio 4 with 14.2%; the other variables contribute 1.1%. With regard to the importance of
permutation, the most influential variables are Bio 4 with 76%, Bio 1 with 15.4%, and Elev.
with 6.2%; the other variables account for 2.4% (Table 2).
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Figure 6. Relative predictive power of different environmental variables based on the jackknife of
regularised training gain in MaxEnt models for Salvia ceratophylloides Ard.

The future potential distribution of S. ceratophylloides, estimated for two types of
scenarios (SSP245 and SSP585), always occupies the south/west part of the Italian peninsula
and Calabria (Figure 7), without expanding into other parts of the region. The habitat
suitable for the species covers a total area of 153,321 km2 (1.02%) in the SSP245 scenario,
2021–2040 and 171,414 km2 (1.14%) in the SSP245 scenario of the following 20 years. It can
be seen that, from the current distribution model, there is a decrease of 83,335 km2 or 35%
in the 20-year period between 2021–2040, and a decrease of 28% in the following 20-year
period, with a loss of 65,907 km2. In relation to the probability values for the presence of the
species in the area of the SSP245 model, 2021–2040, is distributed as follows: very highly
suitable (≥0.80) with an area of 25,020 km2 (0.17%); and highly suitable (0.61–0.80) with an
area of 18,258 km2 (0.12%) (Table 3, Figure 7). The area of the SSP245 model, 2041–2060 is
distributed as follows: very highly suitable (≥0.80) with an area of 29.071 km2 (0.19%); and
highly suitable (0.61–0.80) with an area of 22.984 km2 (0.15%) (Table 3, Figure 7). It can be
seen that the most significant decrease is in the optimal occurrence probability value of the
species (≥0.80) with 17.81%, or 5420 km2, less in the SSP245 scenario 2021–2040, compared
to the current scenario; in the SSP245 2041–2060 scenario, it is 4.5%, or 1369 km2, less.

The distribution model with the SSP585 scenario, shows a total area, suitable to
host the species, of 633.513 km2 (4.21%) in the 20-year period between 2021–2040 and
643.814 km2 (4.28%) in the 20-year period between 2041–2061. Compared to the modelling
of the current potential distribution, we can see an increase in area of 396.192 km2 or 167%,
in the 20-year period between 2021–2040, and an increase of 171% in the following 20-year
period, with an increase of 65.907 km2. In relation to the probability values for the presence
of the species, the area of the SSP585 model, 2021–2040 is distributed as follows: very
highly suitable (≥0.80) with an area of 129.708 km2 (0.86%); and highly suitable (0.61–0.80)
with an area of 94.667 km2 (0. 63%) (Table 3, Figure 7). The potential area of the SSP585
model, 2041–2060 is distributed differently: very highly suitable (≥0.80) with an area of
145.446 km2 (0.97%); and highly suitable (0.61–0.80) with an area of 122.362 km2 (0.81%)
(Table 3, Figure 7). It can be seen that the most significant increase is in the probability
value of optimal occurrence of the species (≥0.80) in the SSP585 scenario 2021–2040 with
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326.11%, or 99.268 km2, more than the current scenario, in the SSP585, 2041–2060 scenario
it is 377.81%, or 115.006 km2, more.

 
Figure 7. Prediction of the future potential distribution of Salvia ceratophylloides Ard. in two different
scenarios SSP245 and SSP585 in two periods 2021–2040, 2041–2060. In white, highly unsuitable
(≤0.20); in blue, unsuitable (0.21–0.40); in green, moderately suitable (0.41–0.60); in yellow, highly
suitable (0.61–0.80); and in red, very highly suitable (≥0.80).
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3.5. Real Distribution of Salvia ceratophylloides Analysed with Two Limiting Factors: Geology and
Land Use

Field studies and bibliographical references [13,64,68,69,74,75] show that S. ceratophylloides
grows, in nature, exclusively on loose, sandy, and calcarenite substrates of Pliocene and
Pleistocene origin; in particular, the analysis of the geological map [78] shows that there are
three types of sandy substrates in Calabria: sands and conglomerates (Pleistocene); sands
and conglomerates (Pleistocene–Pliocene); sands and conglomerates (Yellow Sands)–Pliocene,
widespread throughout the region.

Although the geological substratum suitable for the species occupies 2066.204 km2

(14.14% of the regional territory), from the superimposition of the current potential distri-
bution models of the species we can observe that: the habitat suitable for the species covers
a total area of 62.427 km2, or 2.93% of the area occupied in the region by the geological
substratum, and 0.41% of the entire regional territory. The suitable area is subdivided
as follows in relation to the probability of occurrence of the species: very highly suitable
(≥0.80) 16.285 km2 (0.77% of the area occupied in the region by the substratum, 0.11% of
the regional territory); and highly suitable (0.61–0.80) 4.071 km2 (0.19% of the geological
substratum, 0.03% of the regional territory (Table 4, Figure 8). This modelling shows a
decrease of 74% compared to the current potential distribution model.

The model with SSP245 2021–2040 presents a total area of 31.892 km2, equal to 1.50% of
the geological substrate and 0.21% of the entire regional territory. In detail, the probability
values for the presence of the species are distributed as follows: very highly suitable
(≥0.80) with an area of 5.428 km2 (0.25% of the geological substratum, 0.04% of the regional
territory); and highly suitable (0.61–0.80) with an area of 9.500 km2 (0.45% of the geological
substratum, 0.06% of the regional territory) (Table 4, Figure 8).

Table 4. Classification of habitat suitability related to the probability values for the presence of the
Salvia ceratophylloides Ard. in areas with sandy substrate and conglomerates in the Calabria Region.
[highly unsuitable (≤0.20); unsuitable (0.21–0.40); moderately suitable (0.41–0.60); highly suitable
(0.61–0.80); very highly suitable (≥0.80); area (km2), and the relative percentage in relation to the
geological substratum (% sub.) and percentage in relation to the entire regional territory (% reg. ter.)].

Time SSP Unit Area tot. ≥0.80 0.61–0.80 0.41–0.60 0.21–0.40 ≤0.20

Present time
km2 62.427 16.285 4.071 19.000 23.071 2066.204

% sub. 2.93 0.77 0.19 0.89 1.08 97.07
% reg. ter. 0.41 0.11 0.03 0.13 0.15 13.73

2021/2040

245
km2 31.892 5.428 9.500 5.428 11.536 2096.739

% sub. 1.50 0.25 0.45 0.25 0.54 98.50
% reg. ter. 0.21 0.04 0.06 0.04 0.08 13.93

585
km2 187.960 56.320 17.642 37.321 76.677 1940.671

% sub. 8.83 2.65 0.83 1.75 3.60 91.17
% reg. ter. 1.25 0.37 0.12 0.25 0.51 12.89

2041/2060

245
km2 50.213 4.750 6.107 10.857 28.499 2078.418

% sub. 2.36 0.22 0.29 0.51 1.34 97.64
% reg. ter. 0.33 0.03 0.04 0.07 0.19 13.81

585
km2 192.031 50.892 19.678 48.856 72.605 1936.600

% sub. 9.02 2.39 0.92 2.30 3.41 90.98
% reg. ter. 1.28 0.34 0.13 0.32 0.48 12.87

230



Land 2023, 12, 247

Figure 8. Prediction of the current potential distribution of Salvia ceratophylloides Ard. In relation to
geological substrate. In white, highly unsuitable habitat (≤0.20); in blue, unsuitable (0.21–0.40); in
green, moderately suitable (0.41–0.60); in yellow-low, highly suitable (0.61–0.80); and in red, highly
suitable (≥0.80).

The SSP245 2041–2060 scenario presents a total area of 50.213 km2, equal to 2.36% of
the geological substratum and 0.33% of the regional territory. In relation to the probability
values for the presence of the species, the area of model SSP245 2041–2060 is distributed as
follows: very highly suitable (≥0.80) with an area of 4.750 km2 (0.22% of the substratum,
0.03% of the regional territory); and highly suitable (0.61–0.80) with an area of 6.107 km2

(0.29% of the substratum, 0.04% of the regional territory) (Table 4, Figure 9). Compared to
the modelling of the current potential distribution interpolated with geological substrate
data, we can see an increase in area of 18.164 km2 or 132% in the 2021–2040 period, and
an increase of 266% in the following 20 years with an increase of 36.485 km2. Considering,
on the other hand, the distribution area with the highest probability of hosting the species
(≥0.80), overall, there is a decrease. In the 20-year period between 2021–2040, there is
a decrease of 66.67% with a reduction in area of 10.857 km2, and for the 20-year period
between 2041–2060, there is a reduction of 70.83% and a loss of 11.535 km2.

The distribution model with the SSP585 scenario shows a total area, suitable for hosting
the species, of 187.960 km2 in the 20-year period between 2021–2040, equal to 8.83% of
the geological substratum considered and 1.25% of the entire Calabrian territory. In the
following 20-year period (2041–2061), the area involved is 192.031 km2, equal to 9.02% of
the geological substratum and 1.28% of the regional territory. Considering the probability
values for the presence of the species the area of the SSP585 model, in 2021–2040, is divided
as follows: very highly suitable (≥0.80) 56.320 km2 (2.65% of the geological substratum,
0.37% of the regional territory); and highly suitable (0.61–0.80) 17.642 km2 (0.83% of the
geological substratum, 0.12% of the regional territory) (Table 4, Figure 9). The next 20 years
(2041–2060) show a distribution area of the species divided as follows: very highly suitable
(≥0.80) 50.892 km2 (2.39% of the geological substratum, 0.34% of the regional territory);
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and highly suitable (0.61–0.80) 19.678 km2 (0.92% of the geological substratum, 0.13% of
the regional territory) (Table 4, Figure 9). Comparing the current potential distribution
model interpolated with substrate data, with the SSP585 scenario, we find an increase of
174.232 km2, or 1269%, for the 2021–2040 period, and an increase of 1299% in the following
20 years, with an increase of 178.303 km2. Considering the distribution area with the
highest probability of hosting the species, for the 20-year period between 2021–2040, we
would have an increase of 245.84% with an increase of 40.035 km2, for the 20-year period
between 2041–2060, we would have an increase of 212.51% and a gain of 34.607 km2. The
future potential distribution models, interpolated with the geological substratum, show
a decrease in area compared to the current potential distribution model. In the 20 years
between 2021–2040, with scenario SSP245, there is a 79% decrease, while in the 20 years
between 2041–2060 scenario SSP245, the decrease is 71%. The SSP585 scenario shows a
decrease of 70% for both of the 20-year periods considered in the modelling.

 

Figure 9. Prediction of the current potential distribution of Salvia ceratophylloides Ard. related to
geological substrate, in two different scenarios SSP245 and SSP585 and two periods 2021–2040,
2041–2060. In white, highly unsuitable (≤0.20); in blue, unsuitable (0.21–0.40); in green, moderately
suitable (0.41–0.60); in yellow, highly suitable (0.61–0.80); and in red, very highly suitable (≥0.80).
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In accordance with the CORINE Land Cover system [98], class 2 (agricultural areas)
and class 3 (forests and semi-natural areas) were considered in relation to the actual
occurrence of the species; the second class was also considered because the Calabrian
territory has fragmented agricultural areas that form a complex cultivation mosaic with the
forests and semi-natural areas. All other land-use classes were omitted from the analyses.

Interpolating the current distribution model and the land use map shows that the area
suitable for the species corresponds to 183.295 km2, i.e., 1.22% of the entire regional territory;
relating this to the current potential distribution model shows a decrease in the area suitable
for the species of 54.026 km2, i.e., 23% less (Table 5, Figure 10). The interpolation of the
current distribution model with the exclusion of areas where there is no geological substrate
suitable for the growth of the species, shows that the entire distribution area is 41.392 km2,
or 0.28%, of the entire regional territory, and in relation to the current potential distribution
model, the area undergoes a decrease of 83%, or 195.929 km2 (Figure 10). The table also
shows the measures and percentages relating to the classification of habitat suitability in
relation to the probability of occurrence values (Table 5).

Table 5. Ranking of habitat suitability of Salvia ceratophylloides Ard. Related to the values of probability
of occurrence values in the different modelling obtained by interpolation with the current potential
distribution. Very unsuitable (≤0.20); unsuitable (0.21–0.40); moderately suitable (0.41–0.60); very
suitable (0.61–0.80); very suitable (≥0.80); and the area in km2 and relative percentage (%) of decline
compared to current potential modelling.

Time Unit Area tot. ≥0.80 0.61–0.80 0.41–0.60 0.21–0.40

Present time km2 237.321 30.440 20.962 59.434 126.485

Present time– km2 183.295 26.476 16.972 40.732 99.115
land use % 23 13 19 31 22

Present time– km2 62.427 16.285 4.071 19.000 23.071
geological substrate % 74 47 81 68 82

Present time–
geological substrate–

land use

km2 41.392 14.928 2.714 10.857 12.893

% 83 51 87 82 90

Figure 10. Prediction of the current potential distribution of Salvia ceratophylloides Ard. Only in
relation to land use and land use with geological substrate. In white, highly unsuitable (≤0.20);
in blue, unsuitable (0.21–0.40); in green, moderately suitable (0.41–0.60); in yellow, highly suitable
(0.61–0.80); and in red, very highly suitable (≥0.80).
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4. Discussion

The results of the current potential modelling show that the environmental suitability
of S. ceratophylloides always falls within the same range as the observations made in the
field in recent years, and are in accordance with the known distribution reported in the
literature [13,64,66–69,73,74,76]. We can observe that the species does not extend its range;
it is localised exclusively on the extreme southwestern side of the Italian Peninsula and the
Calabria region, overlooking the Strait of Messina.

Further analyses of the current model suggest that the distribution of the species is
strongly influenced by the same climatic conditions reported earlier in the literature [13,64].
The temperature and humidity variables that condition the reproductive biology of the
species [13] proved important in defining the species’ current potential distribution pattern.
In particular, the average annual temperature parameters limit the distribution (7.8%) of
this typically thermophilus species, as do the humidity parameters (precipitation of wettest
month, precipitation of driest month, precipitation of coldest quarter) and temperature
seasonality, which are closely linked to the species’ ecological needs for germination and
the release of young seedlings [13,64,80–82]. The elevation variable also has a range
that does not differ from elevations measured at actual occurrence points [13,64]. The
current potential distribution model includes (with a probability value of very highly
suitable occurrence ≥0.80) areas where the species occurs as well as those where it is
extinct [70,71]. Therefore, the extinction of the species in the latter areas is the result of
severe environmental changes in the suburban area of Reggio Calabria, which is subject
to extensive urbanisation and frequent devastating fires [99]. Future model projections
for 2021–2040 and 2041–2060, obtained from the SSP245 and SSP585 scenarios, indicate
that climate change will significantly influence the distribution of this species. The models
with the SSP585 scenario show more significant impacts than the SSP245 scenario, which
considers the same bioclimatic characteristics currently in place [19]. The SSP585 scenario
shows that, the range suitable for the species will increase by 167% in the 2021–2040 period
and 171% in the 2041–2060 period (Table 3, Figure 7). This trend can also be seen in other
similar studies [100,101]. Furthermore, the SSP585 scenario predicts an extension of the
optimal range to lower altitudes, down to sea level, and other authors also point to an
altitudinal shift in the current potential distribution area of the examined species [43].

The SSP245 scenario shows a potential distribution of S. ceratophylloides similar to the
current modelling, but with a decrease of 35% in the 2021–2040 period and 28% in the
2041–2060 period (Table 3, Figure 7). Similar decreases with the same scenario are also
shown for other species [100].

Salvia ceratophylloides is a species with remarkable edaphic specialisation, as it grows
exclusively on loose substrates characterised by Pliocene and/or Pleistocene sands and
sandy conglomerates [13,64]; these substrates occupy 14% of the entire regional territory,
but only 2.93% is occupied by the current potential distribution range of S. ceratophylloides.
The geological substrate, in this case, becomes one of the limiting factors for the distribution
of the species. Compared to the current distribution pattern, there is a decrease of 74%, with
a loss of 174,894 km2 of suitable area (Table 4, Figure 9), which considerably reduces the
potential distribution range of the species. The model obtained by interpolating the SSP245
scenario with the geological substratum shows that the range suitable for the species will
decrease by 79% in the period of 2021–2040 and by 71% in the period of 2041–2060 (Table 4,
Figure 9), while the SSP585 scenario will show a decrease of 70% in both of the 20 years
examined (2021–2040/2041–2060).

A further limiting factor is land use. The species’ real range is entirely within a
complex environmental mosaic, where agricultural areas (land use class 2) and natural and
semi-natural habitats (land use class 3) are highly fragmented and interconnected. On the
other hand, it is not present in urban areas (land use category 1), where it was probably
present in the past before the expansion of the city, as bibliographic references attest [69].
Excluding the distribution of the species from urban areas, the potential distribution is
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reduced by 23%, with a loss of 54,026 km2, which mainly affects the lower elevation band
(Table 5, Figure 10).

Considering the constraints imposed by the combination of geologic substrate and
land use, the area suitable for S. ceratophylloides is reduced by 83% with a total area of
41,392 km2 (Table 5, Figure 10) compared to 237,321 km2 (Table 5, Figure 10) in the current
distribution model that considers only bioclimatic variables and elevation.

Modelling obtained by subtracting the two limiting factors (geological substrate and
land use) from the current range shows that the very highly suitable habitat (≥0.80), i.e.,
the one in which the probability of finding the species is very high, occupies 14.928 km2; on
the other hand, Laface et al. [13] show that the species has an Area of Occupancy (AOO)
of 7 km2. The modelled distribution is therefore greater than the observed AOO, and
S. ceratophylloides could potentially be found in other areas where it has not yet been ob-
served or where it is not present due to anthropogenic urbanisation [13] or other limitations,
such as pests [102]. The current AOO and anthropogenic pressures justify the assessment
of this species as Critically Endangered (CR) [13,64,75]. Without pressures and threats that
currently limit the distribution of the species, the range will be 14.928 km2 (very highly
suitable ≥0.80), which would reassess the species as Endangered (EN).

Research on S. ceratophylloides confirms that the magnitude of change in the distribution
of potential 2021–2040 and 2041–2060 niches is comparable. That is, the changes expected
for the later period will occur approximately 20 years earlier than is commonly believed, as
2041–2060 is often overlooked in many studies, most of which are for 2061–2080. Hence,
there is less time to develop strategies to mitigate the effects of climate change than is
usually believed [103,104].

5. Conclusions

This study allowed us to develop very efficient models of the current and future
potential distribution of S. ceratophylloides. These showed that habitat suitable for the
species will decrease in 2021–2040 and 2041–2060 in the SSP245 scenario, and increase
in the SSP585 scenario, but it should be noted that important constraints on the species’
distribution are due to the geological substrate and land use, which significantly limit the
current potential distribution.

The potential distribution model identifies areas of suitable habitat for the species
occurrence to evaluate the presence of new occurrence points or to identify locations where
there is a high probability of the species occurrence.

The assessment of changes in species distribution related to climate change impacts
also made it possible to identify priority areas for reintroduction. Therefore, considering
the results obtained, to reduce the risk of extinction of S. ceratophylloides in the wild, the
reintroduction of the species in areas that are suitable according to modelling is an important
in situ conservation measure

The model also gives us clear indications of where to focus conservation activities;
for example, by establishing micro-reserves, small protected areas created to ensure the
conservation, study, and monitoring of endemic endangered flora in the future, which
can be entrusted to environmental associations or the landowner. Furthermore, this work
may be useful for future actions to reintroduce and reinforce the existing S. ceratophylloides
population in areas showed according to modelling. These activities should be accompanied
by greater awareness raising among public opinion and political authorities to reduce the
impact of human activities.
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Abstract: Studies evaluating the complexity of models, which are suitable to simulate grass growth
at regional scales in intensive grassland production systems are scarce. Therefore, two different grass
growth models (GrasProg1.0 and APSIM) with different complexity and input requirements were
compared against long-term observations from variety trials with perennial ryegrass (Lolium perenne)
in Germany and Denmark. The trial sites covered a large range of environmental conditions, with
annual average temperatures ranging from 5.9 to 10.3 ◦C, and annual rainfall from 536 to 1154 mm.
The sites also varied regarding soil type, which were for modelling categorised into three different
groups according to their plant available water (PAW) content: light soils with a PAW of 60 mm,
medium soils with a PAW of 80 mm, and heavy soils with a PAW of 100 mm. The objective was to
investigate whether the simple model performed equally well with the given low number of inputs,
namely climate and PAW group. Evaluation statistics showed that both models provided satisfactory
results, with root mean square errors for individual cuts ranging from 0.59 to 1.28 t dry matter ha−1.
The model efficiency (Nash–Sutcliffe efficiency) for the separate cuts were also good for both models,
with 81% of the sites having a positive Nash–Sutcliffe efficiency value with GrasProg1.0, and 72%
with APSIM. These results reveal that without detailed site-specific descriptions, the less complex
GrasProg1.0 model can be incorporated into a simple decision support tool for optimising grassland
management in intensive livestock production systems.

Keywords: GrasProg1.0; APSIM; perennial ryegrass; North-West Europe

1. Introduction

Despite the importance of grasslands in sustaining ruminant livestock farming, infor-
mation about grassland productivity and its response to changing climatic conditions, with
increasing frequency and severity of extreme events, is scarce [1–3]. Simulation models
constitute a key tool to understanding and predicting the effects of climate variations and
management strategies on biophysical systems. Various models have been developed
and used for predicting grass growth. Modelling approaches vary from simple empirical
to complex mechanistic models, and operate on different hierarchical levels, from the
individual plant [4], to plant communities based on plant functional types [5,6], and to the
field [7–10] or even global scale [11,12].

Complex process-based models at the individual plant level include numerous plant-
physiological functions, which are very parameter intensive and data demanding [6,13].
For modelling at higher hierarchical levels, simple physiological and morphological plant
traits as well as statistical functions, which represent dynamic plant growth processes, have
been integrated into mechanistic models [7,10,14]. Some of these simpler dynamic and
mechanistic modelling approaches have also been integrated into decision support tools
for practical grassland management [15]. The compromise between model complexity and
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input data requirement has been addressed in several studies, and the selection of the
model for a given application depends, among other factors, on the expected performance,
data availability as well as the users’ familiarity with the model [16,17].

In Europe, grasslands amount to about 34% of the agricultural area [18], with a similar
share in Germany of 28% [19]. Grasslands provide a wide range of ecosystem services including
carbon sequestration, water filtering, and the provision of habitats for wildlife [20–22]. Apart
from delivering substantial ecosystem services, grasslands are a low-cost feed source
for ruminants. Perennial ryegrass (Lolium perenne) is the most important forage grass in
temperate climates due to its high dry matter (DM) productivity potential in combination
with a high forage digestibility and nutritive value throughout the grazing season [23].
However, temperature-limited herbage growth in spring and autumn and moisture-limited
growth in summer can result in feed deficits in intensively managed systems. Thus, future
grass growth and thus feed supply is highly uncertain within and between seasons and
locations. Extreme drought periods have been shown to prolong the start of growth after
rewetting, which has been referred to as the legacy effect. This can particularly occur in
shallow-rooted grasses such as perennial ryegrass, which further influences the annual
yield variability [24].

Due to climatic conditions, grass growth rates are highly variable both in time (within
and between seasons at one location), and in space (between locations). For example,
average annual dry matter (DM) yields of perennial ryegrass in Germany show substantial
inter-annual variations as well as large variations within the various states of Germany,
with annual DM yields in the last decade ranging from <3 t ha−1 to >9 t ha−1 (Figure 1).
This is due to differences in the soils (including availability of water and nutrients) as well
as the high temporal variability in weather conditions. For example, the extended summer
drought all over North-West Europe in 2018 is reflected in a substantial drop in DM yield,
with reductions ranging from 60 to 93% compared with the average of the last 10 years.
This high variability has direct impacts on the levels of forage produced on farms, and thus
the feeding management.

Figure 1. Annual dry matter (DM) yields for the different states of Germany obtained from the
Statistisches Bundesamt (https://www.destatis.de/DE/Themen/Branchen-Unternehmen/Landw
irtschaft-Forstwirtschaft-Fischerei/Publikationen/Bodennutzung/landwirtschaftliche-nutzflaeche
-2030312217004.pdf; accessed 11 January 2021).

Many model comparison studies have been conducted for cropping systems, and
the use of model outputs of model ensembles is gaining attention [25,26]. Only a few
comparisons of grass growth models with different complexities (deterministic and em-
pirical) have been conducted [27–29]. While these few studies suggest that empirical
models are often comparable to more complex deterministic models, further evaluation
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is required, especially with studies covering more diverse climatic conditions. Moreover,
evaluating the model complexity (i.e., the number of variables) is of importance as the
addition of new variables may increase the probability of additional errors and less accurate
simulations [30,31].

In mechanistic and process-oriented modelling approaches such as the Agricultural
Production Systems Simulator (APSIM; [32]), pools and fluxes of carbon, nitrogen, and
water are represented, with sub-models for soil, water, carbon, and nitrogen, and the
plant. Plant growth is calculated based on physiological processes at the plant scale
(i.e., considering the leaf photosynthetic rate and carbon accumulation based on incoming
radiation, carbon dioxide, temperature, water, nitrogen, plant respiration, fertility, and
tissue turnover including senescence and detachment of dead material) [33]. In more
simple semi-mechanistic models, detailed physiological processes are not considered in
detail. In the GrasProg model, for example, the simulations are based on functional growth
equations that consider more general physiological principles of perennial grasses. Here,
the relative growth rate and development of the leaf area index as a function of time are
integral parts of the model to account for the photosynthetic efficiency of the grassland
canopy with subsequent considerations of the growth limiting factors for temperature,
radiation, and precipitation [34].

The objective of the current study was to compare two models with different com-
plexity, GrasProg1.0, an updated version of GrasProg [34] and APSIM, for predicting grass
growth across Northern Europe using only basic soil information and typical fertilisation
rates. The evaluation was based on long-term variety trials with perennial ryegrass from
Germany and Denmark.

2. Materials and Methods

2.1. Trial Sites

For the comparison of the two models, the grass growth data from Germany and
Denmark were used (Figure 2). In Germany, data were obtained from the states’ variety
testing trials (Landessortenversuche; sourced from http://www.landwirtschaftskamme
rn.de/ accessed 12 April 2021), and in Denmark from the national trials recorded in the
Nordic Field Trial System (NFTS; https://nfts.dlbr.dk/Forms/Forside.aspx; assessed 14
June 2021). These testing trials run over a period of three years, after which another set of
new varieties is started. To represent the perennial character of permanent grassland and
avoid the effects of poor grassland establishment in the first production year, data were
limited to the second and third production/trial year. Additionally, only perennial ryegrass
varieties from the medium maturity group (including reference varieties) were selected.
These resulted in 28 sites for Germany and four for Denmark, spanning different soil types
and a range of climatic conditions, with mean temperatures ranging from 5.9 to 10.3 ◦C
and a mean annual rainfall from 536 to 1154 mm (Table 1).

According to the protocol in the trials from Germany, nitrogen (N) fertilisation ranged
between 300 and 360 kg N ha−1, of which 80–100 kg ha−1 was applied in early spring for the
first cut, which, according to the prescribed management protocols [37], should be carried
out at BBCH51 (Biologische Bundesanstalt für Land- und Forstwirtschaft, Bundessortenamt
und CHemische Industrie). For further details, see [38]. Depending on the site, cuts were
taken in an area of 10 to 12 m2, with four replications and cut to a height of 5–6 cm above
ground. The DM content of the herbage was determined after oven drying the subsamples
at 60 ◦C for 48 h. In Denmark, N fertilisation was applied according to the Danish Plant
Directorates standards of 340 kg N ha−1 yr−1 for a pure grass, with 40% applied in early
spring, 30% after the first harvest, 20% after the second harvest, and 10% after the third
harvest. The plot size was 18 m2, and the cutting height was 5 cm. Dry matter was
determined by oven drying the subsamples at 60 ◦C for 40 h.

For the modelling, the soils were categorised into three different groups based on their
plant available water content (PAW) in the rootzone, namely ‘low’ with 60 mm, ‘medium’
with 80 mm, and ‘high’ with 100 mm (with a rootzone depth for ryegrass set as 500 mm).
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For Germany, the PAW for the soils was derived from the Ackerzahl, which is based on
the German land appraisal system (Reichsbodenschätzung), which was initiated in 1932 to
rank soils according to their potential productivity [35]. The Ackerzahl is scaled from 1 to
100 (for highest productivity), and takes the soil type, formation, topography, and climatic
conditions into account. Soils with an Ackerzahl up to 25 were classified into the ‘low’
PAW soil group, those with an Ackerzahl 25 and 65 to the ‘medium’ soil group, and those
with an Ackerzahl larger than 65 to the ‘high’ soil group. For the Danish sites, soils were
grouped according to the Danish soil classification scheme [36], with JB1 (coarse sandy)
and JB2 (fine sandy soil) in the ‘low’ soil group, and JB5 and JB6 (sandy clay) in the ‘high’
soil group (Table 1).

Daily weather data were gathered from meteorological sites close by the trial sites. For
Germany, these were obtained from the Deutschen Wetterdienst (Germany’s National Me-
teorological Service, DWD; https://www.dwd.de/; accessed 12 April 2021). For Denmark,
they were obtained from the online database (http://agro-web01t.uni.au.dk/KlimaDB/;
accessed 14 June 2021) managed by Aarhus University.

Figure 2. Locations of the national ryegrass variety trials in Germany and Denmark, used for the
comparison of two models, GrasProg1.0 and APSIM, for the prediction of grass growth.
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Table 1. Site descriptions and meteorological stations (Met Station) used for the modelling.
DWD (=Germany’s National Meteorological Service, Der Deutsche Wetterdienst) was used for
the modelling. Lon = longitude, Lat = latitude in degrees, Alt = altitude in meters above sea level,
PAW = plant available water (mm) in 500 mm depth, T = mean annual temperature (◦C), mean annual
RF = mean annual rainfall (mm), Lon Met = longitude in degrees of the meteorological station, Lat
Met = latitude in degrees of the meteorological station, * proximate values. Soil classification (Soil) in
Germany (DE) was based on the Ackerzahl [35] and on the Danish soil classification scheme [36] in
Denmark (DK).

Site Lon Lat Alt PAW Soil Met Station Lon Met Lat Met T RF

Aulendorf, DE 9.66 47.94 570 80 56 Weingarten 9.62 47.81 9.3 926

Burkersdorf, DE 11.88 50.65 594 80 36 Schleiz 11.80 50.57 8.2 652

Dasselsbruch, DE 10.02 52.56 35 * 60 20 Celle 10.03 52.60 10.0 679

Eichhof, DE 9.68 50.85 200 80 57 Bad Hersfeld 9.74 50.85 9.1 658

Eslohe, DE 8.17 51.25 370 * 80 40 Eslohe 8.16 51.25 8.5 1086

Forchheim 2, DE 13.27 50.71 565 80 33 Marienberg 13.15 50.65 7.3 890

Haufeld, DE 11.28 50.80 430 80 56 Jena 11.58 50.93 10.3 594

Hayn-Schwenda, DE 11.08 51.57 441 80 40 Harzgerode 11.14 51.65 8.0 582

Heßberg, DE 10.78 50.42 380 80 45 Lautertal 10.97 50.31 9.1 739

Hjerm, DK 8.65 56.43 30 * 100 JB5/6 Vemb 8.22 56.71 8.6 796

Hohenschulen, DE 9.99 54.32 30 80 50 Kiel-Holtenau 10.14 54.38 9.4 759

Iden, DE 11.90 52.78 18 100 67 Seehausen 11.73 52.89 9.6 565

Kalteneber, DE 10.14 51.32 450 * 80 45 Leinefelde 10.31 51.39 8.6 700

Kißlegg, DE 9.89 47.79 700 * 80 58 Weingarten 9.62 47.81 9.3 926

Kleve, DE 6.17 51.79 15 80 56 Kleve 6.10 51.76 10.3 837

Kranichfeld, DE 11.20 50.86 330 * 80 46 Erfurt-Weimar 10.96 50.98 9.0 536

Kyllburgweiler, DE 6.62 50.07 529 80 34 Manderscheid 6.80 50.10 8.6 887

Malchow/Poel, DE 11.47 53.99 10 * 80 34 Boltenhagen 11.19 54.00 9.3 597

Nørager, DK 9.63 56.75 40 * 60 JB2 Aars 9.51 56.76 8.3 706

Obershagen, DE 10.06 52.50 40 * 80 45 Celle 10.03 52.60 10.0 679

Oberstaudhausen, DE 11.95 47.86 500 * 80 Rosenheim 12.13 47.88 9.2 1068

Oberweißbach, DE 11.14 50.58 660 60 23 Neuhaus 11.13 50.50 5.9 1154

Osterseeon, DE 11.93 48.07 560 80 45 Ebersberg 11.99 48.10 8.7 1036

Ovelgönne, DE 8.42 53.34 0 * 100 88 Bremerhaven 8.58 53.53 10.1 753

Paulinenaue, DE 12.71 52.67 30 * 60 30 Neuruppin 12.85 52.94 9.6 620

Scharnhorst, DE 9.52 52.53 38 80 50 Wunstorf 9.43 52.46 10.3 650

Schoonorth-Otterham, DE 7.22 53.50 −0.3 100 85 Emden 7.23 53.39 9.4 823

Schuby, DE 9.45 54.52 42.7 60 22 Schleswig 9.55 54.53 8.6 885

Skælskør, DK 11.31 55.24 6 * 100 JB6 Flakkebjerg 11.39 55.31 8.9 581

Sophienhof, DE 9.06 49.81 453 100 72 Michelstadt-
Vielbrunn 9.10 49.72 8.5 1031

Steinach, DE 12.61 48.98 508 * 80 56 Straubing 12.56 48.83 9.2 691

Vemb, DK 8.38 56.35 6 * 60 JB1/2 Vemb 8.22 56.71 8.6 796

2.2. Model Descriptions
2.2.1. GrasProg1.0

The GrasProg model is a semi-mechanistic model for simulating grass growth for
intensively managed ryegrass (Lolium perenne) dominated swards with typical non limiting
N fertilisation rates. The model only requires a few input parameters, and aside from
proxies for the number of generative tillers and the tiller density, only the soil’s plant
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available water (PAW) and meteorological factors (global radiation, mean daily temperature,
precipitation, and evaporation) are necessary. The model has previously been calibrated
for intensively managed ryegrass dominated grass swards with typical non limiting N
fertilisation rates in North-West Germany (GrasProg; [34]). Now included in the updated
version, GrasProg1.0 is a drought legacy factor that accounts for a period of unusually dry
weather. Such extreme and long drought events can, aside from an immediate reduction
in canopy photosynthesis, have longer-lasting legacy effects on vegetation growth [39,40].
The drought legacy factor is assumed to start after a drought period of seven days, after
which the start of the grass growth is delayed by 7 days, where a drought is defined as the
soil having a water content ≤30% PAW.

The model was set up for the trial sites described above using the meteorological
data from the climate stations nearby (Table 1) and the site relevant soil PAW, either low
(PAW = 60 mm), medium (PAW = 80 mm), or high (PAW = 100 mm).

2.2.2. APSIM

APSIM is a modular process-oriented simulation framework maintained by the APSIM
Initiative (www.apsim.info; accessed 14 June 2021). APSIM is climate-driven and comprises
a range of submodels including SoilWat for simulating water movement, SoilNitrogen
for simulating N cycling, AgPasture for pasture growth and N uptake, and the Micromet
module [41] for computing evapotranspiration using the Penman–Monteith equation.
AgPasture is based on the physiological model of Thornley and Johnson [42], which has
been shown to simulate growth patterns and seasonal yields well [43,44]. In brief, grass
growth is modelled with a daily time-step calculation based on intercepted global solar
radiation, radiation use efficiency, and growth modifiers for temperature, soil water, and
N supply. APSIM with the AgPasture model has been used successfully for simulating
grass growth under a range of climatic conditions in New Zealand, mainly binary mixtures
of ryegrass/white clover [45], but also for diverse pastures [46,47] and for annual and
perennial ryegrass in Australia [48]. The model has also been tested for predicting seasonal
grass growth rates under different climatic conditions for New Zealand and using generic
soils with PAWs estimated from the land use capability classes [49].

The model was set up with a pure perennial ryegrass (Lolium perenne L.), a root-
ing depth of 500 mm, and three different soil profiles: light (PAW = 60 mm), medium
(PAW = 80 mm), and heavy (PAW = 100 mm). The soil organic carbon in the top 100 mm
was set according to averages for grassland and different soil types across Germany [50],
with 3.8% for sandy soils (used for the light soils), 3.9 for loamy soils (used for the medium
soils), and 2.9% for clay soils (used for the heavy soils). The grass was cut according to the
trial management, and fertiliser was applied via a manager script, with the amounts and
timings as described above. Meteorological data required by APSIM are daily values of
rainfall, minimum and maximum daily temperature, and radiation.

2.2.3. Data Analysis and Statistical Analysis

Grass growth data were screened for outliers using the linear regression of pasture
production of the first cut vs. global radiation sum and temperature sum from the beginning
of the growing season (taken after a temperature sum of 250 ◦C with a base temperature of
3 ◦C) to the date of the first cut (Figure 3). Cook’s distance, which measures the change
in fitted response for all observations with and without the presence of observation i, was
then used to identify outliers. Observations that have a Cook’s distance >4 times the mean
were classified as outliers.

The performance of GrasProg1.0 and APSIM were evaluated based on common mea-
sures including the coefficient of determination (R2), Nash–Sutcliffe efficiency (NSE), root
mean square error (RMSE), and percent bias. For these, the R package hydroGOF [51]
was used. Additionally, a paired t-test was conducted using the R function: t-test (x, y,
paired = TRUE, alternative = “two.sided”).
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These statistics were calculated for both the entire dataset and for the individual sites
using data from each individual cut. For the evaluation of the two models, the biomass of
individual cuts as well as the annual amounts were used.

Figure 3. Measured grass dry matter (DM) yield of the first cut vs. temperature sum (a) and global
radiation sum (b) after a temperature sum of 250 ◦C with a base temperature of 3 ◦C. Blue symbols
indicated data that were included in the analysis, and red symbols those that were excluded for the
years provided. Eh = Eichhof. Hb = Heßberg; Hs = Hohenschulen; Ke = Kalteneber; Og = Ovelgönne;
Sby = Schuby, Sch = Scharnhorst; Sh = Sophienhof; S/O = Schoonorth/Otterham.

3. Results

3.1. Inclusion of a Legacy Effect

The improvement in GrasProg1.0 with the legacy effect can be seen in some of the
data collected in 2018, which had a prolonged summer drought (Figure 4). While both
versions of the model predicted the first cut in Kyllburgweiler well, the second and third
were overestimated without the legacy effect. For Osterseeon, including the legacy effect
reduced the grass growth during June too much, but in August, the simulations were much
closer to the measurements. This shows that the inclusion of a legacy effect improved the
model, but better parametrisation and/or its description in the model is required.

Figure 4. GrasProg1.0 predictions of the grass growth (dry matter; DM) in 2018 for Kyllburgweiler
and Osterseeon, either without (black lines) or with the legacy (green lines) effect.

3.2. Measured and Predicted Dry Matter Production—Individual Cuts

Predictions of seasonal DM production (individual cuts) by GrasProg1.0 for four
selected sites from varying geographical areas, altitudes, and with different meteorolog-
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ical conditions (Aulendorf, Kleve, Osterseeon and Schuby with measurements over 11
to 12 years) showed generally good agreement with measurements (Figures 5–9). For
GrasProg1.0, the RMSE ranged from 0.59 to 0.77 t ha−1 and NSE from 0.55 to 0.71 for
these four sites (Table 2; Figure 9). APSIM showed a slightly less good prediction for these
four sites, with RMSE ranging from 0.59 to 0.91 t DM ha−1 and NSE from 0.22 to 0.54. In
some instances, GrasProg1.0 slightly underpredicted the first cuts while APSIM at times
overpredicted these. The underestimation may be because GrasProg1.0 was calibrated on
a dataset, which was more intensively defoliated (8 cuts yr−1) compared with the data used
for evaluation in the present study (4–5 cuts yr−1). The defoliation frequency influences
various plant traits such as tiller density, which greatly influence grass growth [52], which
might explain the disparities between the measurements and simulations.

Figure 5. Measured grass dry matter (DM) for different cuts and years for Aulendorf, Germany. The
predictions by GrasProg1.0 and APSIM are also shown.

Figure 6. Measured grass dry matter (DM) for different cuts and years for Kleve, Germany. The
predictions by GrasProg1.0 and APSIM are shown.
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Figure 7. Measured grass dry matter (DM) for different cuts and years for Osterseeon, Germany. The
predictions by GrasProg1.0 and APSIM are also shown.

Figure 8. Measured grass dry matter (DM) for different cuts and years for Schuby, Germany. The
predictions by GrasProg1.0 and APSIM are also shown.

For the entire datasets with a total of 32 different sites and measurement periods
ranging 1 to 13 years, the RMSE values were acceptable, ranging from 0.59 to 1.28 t DM
ha−1 for GrasProg1.0 and 0.56 to 1.26 t ha−1 for APSIM (Table 2). Accurately predicting
grass growth with its high seasonal and interannual variation is not an easy task [28,53].
These RMSE values are lower to those reported with ranges from 0.7 to 2.1 t DM ha−1, using
three different models for predicting the first two cuts of timothy grass under northern
European conditions [29]. They concluded that there is a need for a better understanding
of the processes involved and how they are described in models. However, for some sites,
the individual cuts were vastly over- or underpredicted, and the NSE values are close to
zero or negative.
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While there are no explicit standards for evaluating model performance, we used the
suggested thresholds for monthly values to judge if the model results were satisfactory,
namely NSE > 0.3, R2 and p-value > 0.025 [54]. Out of the 32 datasets, GrasProg1.0 predicted
grass growth for individual cuts satisfactorily for 11 datasets according to these criteria,
and APSIM only slightly more with 13 datasets. Closer inspections also showed that
GrasProg1.0 did not predict grass growth for the sites in Denmark satisfactorily, with high
underestimation (high Pbias). This is not astonishing, as the model has not been calibrated
for high latitude sites with long day-lengths. The APSIM model seemed to capture this
slightly better, with two of the sites being satisfactorily simulated. Many of the datasets
that were not satisfactorily predicted also had very short observation periods of ≥5 years.

Looking at the NSE values, GrasProg1.0 predicted the pattern of grass growth (indi-
vidual cuts) on 81% of the sites better than just using the average values. When considering
only observations ≥5 years, 85% of the sites were better predicted than using the averages.

Over the entire datasets, the individual cuts were reasonably predicted with GrasProg1.0,
with a RMSE of 0.94 t DM ha−1 and NSE of 0.43, and an overprediction of 12.9% (Figure 10).
The performance of APSIM was slightly worse, with a RMSE of 0.99 t DM ha−1, a NSE of
0.29, and an underprediction of 12.8%.

Figure 9. Measured grass dry matter (DM) vs. predictions by GrasProg1.0 for different cuts and years
for Aulendorf, Kleve, Osterseeon, and Schuby, Germany. *** indicates significance p < 0.001.
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Figure 10. Measured grass dry matter (DM) vs. the predictions by GrasProg1.0 and APSIM for
different cuts and years for the entire datasets from Germany and Denmark, with a total of 33 locations.
*** indicates significance p < 0.001.

3.3. Measured and Predicted Dry Matter Production—Annual

Considering that the models were not tuned to any of the data at each site and the
weather data were not obtained directly on the sites, both models performed well with
a RMSE ranging from 0.12 to 2.85 t DM ha−1 for GrasProg1.0 and from 0.06 to 2.55 t DM
ha−1 for APSIM. The inter-annual variability in annual yield was well-reflected (Figure 11).
Furthermore, GrasProg was calibrated with a dataset from permanent grasslands, in which
perennial ryegrass was the dominant species, but in which other grasses were also present.
For accurate predictions, it has been suggested that the genetic variability between cultivars
should be accounted for [29]. In our study, data from the national trials were restricted to
the medium maturity group but comprised different cultivars. Furthermore, to increase
the accuracy of the model for simulating growth in spring, the soil temperature should be
considered, rather than the air temperature [34].

Figure 11. Annual measured grass dry matter (DM) and predictions by GrasProg1.0 and APSIM for
different years for different locations in Germany and Denmark. The numbers show the RMSE for
the two models (GrasProg1.0 green, APSIM red).
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4. Discussion

In practical grassland farming, information about yield often remains unknown or is
only roughly estimated because management in recent decades has been animal-focused,
rather than on grassland management [55]. The good prediction of grass growth by
GrasProg1.0 means that the model can be used to aid farm management, especially by
providing information on the best cutting or grazing times dependent on the climatic
conditions. The model can also be used to evaluate likely changes due to climate change
such as how increasing temperatures and temperature sums affect the cutting regimes and
grassland productivity. The inclusion of the legacy factor in Grasprog1.0 means that the
model can be employed to aid in the development of farm-level adaptations according
to changes in the productivity and seasonality of grasslands resulting from the expected
increases in drought and heat extremes [56]. Furthermore, model-based knowledge of
annual yields can help to assist in optimising fertilisation strategies and avoid the risks
of negative environmental effects due to N losses [57]. Knowledge about annual yields is
also crucial, because according to the new German fertiliser ordinance [58], the permitted
amount of N fertilisation needs to account for the yield of the grassland in previous years.

Trade-offs between model complexity and validation have been discussed [59] and
include a more complete entity representation by complex models at the cost for the need of
a greater requirement for validation and meta data. In contrast, simple models require less
validation data, and model parameters are more generalised, with a greater probability of
a large difference between the observed and estimated values. The APSIM model was not
tuned to any of the data at each site, and general data were used rather than site-specific
values such as soil hydraulic properties and organic carbon. The importance of accurate soil
parameterisation when using a complex model such as APSIM for simulating soil water and
nitrogen dynamics, and pasture production has also been emphasised by Craig et al. [60].

The similar fit between measurements and predictions by the two models means
that GrasProg1.0 is a suitable grass growth model for North-West European conditions,
especially where site-specific parameters are not available. This finding is in line with
other studies where Hurtado-Uria et al. [28] found that an empirical model performed
equally well as a complex model for predicting grass growth across Ireland, and Skinner
et al. [27] also found no difference in the ability to simulate the grass forage yield in
Pennsylvania, USA. The authors highlighted the need for better validation datasets for
a robust comparison and parameterisation of the models. In contrast to other grass growth
models such as GrazeGro [15], STICS [9], LINGRA [61], and even the simpler MoSt GG
model [8], GrasProg only requires a few input parameters (namely temperature, radiation,
rainfall, evaporation, and PAW soil group), and thus can be incorporated into a simple
decision support tool for use by farmers and advisers.

When evaluating models, uncertainties in the observed data and the exact manage-
ment of the sites should also be considered. The high spatial heterogeneity of botanical
composition, nutrient availability, and defoliation strategy influence the forage biomass
and quality, especially in permanent grasslands [62,63]. Additionally, due to the extreme
variability of individual plants even at a small scale, the determination of grass biomass is
very difficult [64], and the methodology of measurements influences the data of biomass
and quality [65,66].

Furthermore, although the data used for model evaluation in this study were from
national trials with prescribed management protocols, the specific management varied
slightly between sites and years including differences in the amount of N applied and
cutting regimes. However, the defoliation frequency can influence various plant traits such
as the tiller density, which greatly influence grass growth [52] and may lead to additional
disparities between the measurements and simulations. One limitation of GrasProg1.0 is
that it does not account for N fertilisation management and currently does not include
pasture quality indicators. This is mainly due to a lack of sufficient forage quality data
across regions with different climatic conditions, covering seasonal pasture growth data
under a range of fertiliser treatments. However, due to its generic structure, GrasProg1.0
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has been shown to be suitable to deliver the information of biomass yields for intensively
managed and perennial ryegrass dominated grasslands in Germany and northern Europe.

5. Conclusions

The hierarchical (plant, leaf, molecular) and spatial level (field, farm, landscape)
at which grass growth is simulated is strongly dependent on the subsequent practical
implementation of a model. For implementation as a decision support tool for grass-
land management, the simple semi-mechanistic model GrasProg1.0 is highly suitable and
showed similar results to the more complex and process-oriented model APSIM. Such
complex models are very data rich and require site-specific input parameters, which are
often not known. In contrast, GrasProg1.0 only requires a few input parameters including
meteorological data and the classification of the soil into a PAW class.
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Abstract: Future climate change is expected to significantly alter the growth of vegetation in grassland
systems, in terms of length of the growing season, forage production, and climate-altering gas
emissions. The main objective of this work was, therefore, to simulate the future impacts of foreseen
climate change in the context of two pastoral systems in the central Italian Apennines and test different
adaptation strategies to cope with these changes. The PaSim simulation model was, therefore, used
for this purpose. After calibration by comparison with observed data of aboveground biomass (AGB)
and leaf area index (LAI), simulations were able to produce various future outputs, such as length of
growing season, AGB, and greenhouse gas (GHG) emissions, for two time windows (i.e., 2011–2040
and 2041–2070) using 14 global climate models (GCMs) for the generation of future climate data,
according to RCP (Representative Concentration Pathways) 4.5 and 8.5 scenarios under business-as-
usual management (BaU). As a result of increasing temperatures, the fertilizing effect of CO2, and a
similar trend in water content between present and future, simulations showed a lengthening of the
season (i.e., mean increase: +8.5 and 14 days under RCP4.5 and RCP8.5, respectively, for the period
2011–2040, +19 and 31.5 days under RCP4.5 and RCP8.5, respectively, for the period 2041–2070) and a
rise in forage production (i.e., mean biomass peak increase of the two test sites under BaU: +53.7%
and 62.75% for RCP4.5. and RCP8.5, respectively, in the 2011–2040 period, +115.3% and 176.9% in
RCP4.5 and RCP8.5 in 2041–2070, respectively,). Subsequently, three different alternative management
strategies were tested: a 20% rise in animal stocking rate (+20 GI), a 15% increase in grazing length
(+15 GL), and a combination of these two management factors (+20 GI × 15 GL). Simulation results
on alternative management strategies suggest that the favorable conditions for forage production
could support the increase in animal stocking rate and grazing length of alternative management
strategies (i.e., +20 GI, +15 GL, +20 GI × 15 GL). Under future projections, net ecosystem exchange
(NEE) and nitrogen oxide (N2O) emissions decreased, whereas methane (CH4) rose. The simulated
GHG future changes varied in magnitude according to the different adaptation strategies tested. The
development and assessment of adaptation strategies for extensive pastures of the Central Apennines
provide a basis for appropriate agricultural policy and optimal land management in response to the
ongoing climate change.

Keywords: grasslands; modeling; PaSim; climatic scenarios; aboveground biomass

1. Introduction

With an herbage production potential up to ~15 t DM ha−1 [1], grasslands contribute
significantly to global food security by providing fodder for ruminants used in the pro-
duction of protein-rich foods, such as meat and milk [2,3]. In Italy, grassland areas (i.e.,
permanent meadows and pastures) cover approximately 3.6 Mha [4], roughly 12% of the
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entire Italian territory, and are located mainly along the Alpine and Apennine mountain
ranges and on the islands [5]. Differing in climate and land use, factors that influence
productivity and botanical composition, Italian grasslands can be divided into three dif-
ferent biogeographic regions: Alpine, Apennine, and Mediterranean [6]. They are mostly
large-scale rainfed pastoral systems, with permanent pastures dominant in the mountains
and hilly areas and fodder crops also dominant in the Mediterranean region. Generally,
these systems provide forage for only short periods of time during spring and summer,
exhibiting great inter-annual variability in production [7,8]. With regard to mountain areas
(i.e., Alps and Apennines), grasslands are often located in areas with nutrient-poor soils
and/or extreme climate conditions that make vegetation growth, and consequently forage
production, reliant on seasonal dynamics [9]. Focusing specifically on Apennine mountain
pastures, forage quality is generally lower than in Alpine pasturelands [10], due mainly
to the great variability in pedo-climatic conditions that can be found along the latitudinal
gradient of Italy [11].

In addition to forage production, grasslands provide several other ecosystem services
important for human well-being, such as water and nutrient regulation and protection
from soil erosion [12–16]. Particularly important is the role that these systems can play
in climate-changing emissions [17], as they can stock/emit carbon dioxide CO2 [18,19]
and emit non-CO2 greenhouse gases, such as methane (CH4) and nitrous oxide (N2O) [20].
According to Guillaume et al. [21], soil organic C stock measured from surface to 50 cm
depth in permanent grasslands is approximately 7 kg C m−2, and evidence from European
grasslands shows that soil C sequestration rates can reach 0.77 g C m−2 yr−1 [22]. Compared
with other ecosystems, grasslands are, in fact, an important store of C [23], and management
(grazing in particular) is an important regulator of C and N fluxes [24]. Grasslands have
the advantage of potentially acting as C and N sinks, compared with croplands, and can
mitigate GHG emissions in livestock production systems, as C and N sequestration can
offset GHG emissions [17,25,26].

Pastoral resources in the Apennines during the last decades have shown fragility in
the face of changes induced by recent global warming. There was a shift in air temperature
distribution towards warmer values in all seasons (especially for minimum temperature,
while maximum temperature shows a more intense warming and a pronounced peak
in summer) since the 1980s, with an acceleration in the 2000s [27], and it is projected to
increase in the future [28]. In view of the expected increase in temperatures associated with
a decrease in precipitation during the summer period, forage production is assumed to
change in terms of quantity and quality [29,30]. Moreover, evolution of the distribution
of species in herbaceous communities and changes in the botanical composition of semi-
natural grasslands are highlighted [31]. In fact, rising temperatures and summer droughts
tend to promote the predominance of thermophilic communities or species more adapted
to xeric environments, which now grow in environments at lower altitudes, as was already
observed in the Alps [32] and Apennines [33,34].

In this view, simulation models, through the reproduction of system biophysical
processes, can help stakeholders in decision-making by assessing the impacts of climate
change and/or testing different management strategies under current [35,36] or future
scenarios [37–41]. In this context, appropriate management (e.g., stocking rate and graz-
ing period) can preserve grassland biodiversity, maintain socio-ecological systems, and
counteract the effects of climate change. On the basis of assessment of the previous liter-
ature, it can be said that a very small number of modeling exercises have examined the
effect of foreseen climate changes on pasture production characteristics in the Apennine
area [6], as almost all works have analyzed the effects on vegetation features and biodi-
versity, e.g., [42–44]. Therefore, the present research aims to analyze the expected effect of
climatic changes mainly from an agronomic perspective, providing an approach that can
be repeated in other contexts and that is aimed at evaluating the impacts on productive
features of forage resources and the possible adaptation strategies of some of the main
pasture management characteristics.
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This perspective forms the basis for the design and implementation of this study
initiated in 2020 on two pastoral farms in the Apennines territory of central Italy, based on
field observations and model-based simulations. Modeling the performance of pastoral
systems is helpful in defining management strategies that maximize pastoral production
and minimize environmental impacts [45]. Field data support the modeling exercises by
providing detailed on-farm information on the spatial and temporal variation of important
canopy state variables, which are often difficult to obtain [46]. Simulation results under
future climate change scenarios were the key tools for the design and assessment of the
analytical framework concerning climate change adaptation strategies, pivotal factors for
the conservation of grassland resources [47]. Based on the hypothesis that future climate
change will significantly affect extensive grazing systems of the Central Apennines, the
specific objectives of this study were: (1) to inform the modeling via calibration with field
data; (2) to use the calibrated models to project the impacts of climate change; and (3) to
assess a set of adaptation options for pastoral management identified locally.

2. Materials and Methods

The study was initially conducted by calibrating the grassland simulation model
PaSim [48] with observed data collected on two specific farms in the Italian Apennines
(Suite 1). The parameterization obtained was subsequently used, together with the climate
models, to simulate the impacts of climate change on grasslands (Suite 2). In parallel, a
sensitivity analysis was performed with specific attention to biomass production (Suite 3).
Finally, on the basis of the results obtained in the impact analysis, possible adaptation
strategies were identified and tested (Suite 4). A general outline of the methodology used
can be seen in Figure 1.

Figure 1. Workflow of the methodology applied in this study. PaSim is the grassland simulation
model used for the analysis.

2.1. Study Sites, Experimental Layout, and Data Collection

The study considered two pastoral farms (Figure 2) located at different altitudes in the
Tuscan Apennines (Table 1), both managed under continuous grazing system of Limousin
cattle (Table 2).

The Marradi study site (M) covers more than 5 ha of upland sown pasture that tends
towards a re-naturalization, usually grazed from May to July. The Borgo San Lorenzo
study site (B) covers 30 ha of lowland sown pasture. For the purpose of the trial, Site B
was divided in 2020 into two differently managed sub-areas, B1 (approx. 10 ha) and B2
(approx. 20 ha). Specifically, in sub-area B1 the pasture was grazed by Limousin cattle from
April until the end of October, while sub-area B2 was managed under a mixed utilization:
mowed in May and grazed from June until the end of October.

260



Land 2023, 12, 351

Table 1. Description of the study sites.

Description Unit
Site M

(Marradi)
Site B

(Borgo San Lorenzo)

Location

Latitude (WGS84) degree N 44.08◦ 43.95◦

Longitude (WGS84) degree E 11.63◦ 11.35◦

Elevation m a.s.l. 600 200

Climate

Mean annual temperature 1 ◦C 12.4 13.4

Mean annual precipitation 2 mm 1330 990

Soil 3

Depth m 1 1

Clay % 37 37

Silt % 42 36

Sand % 21 27

Total organic carbon g kg−1 33.6 23.5

Total nitrogen g kg−1 3.0 2.5

Soil pH - 6.6 7.4

Bulk density g cm−3 1.29 1.44

Saturated soil water content m3 m−3 0.52 0.51

Field capacity m3 m−3 0.36 0.35

Wilting point m3 m−3 0.21 0.21

Dominant vegetation -

Dactylis glomerata, Lolium sp.,
Festuca arundinacea, Phleum
pratense, and Onobrychis
viciifolia, with other minor
forbs and a large presence in
some sectors of shrubs, such
as Rubus ulmifolius.

Lolium sp., Dactylis glomerata,
Trifolium pratense, Trifolium
repens, Lotus corniculatus, and
Festuca arundinacea, with other
minor forbs.

1 Site M: mean of 2016, 2017, and 2020; Site B: mean of 1951–2020. 2 Site M: mean of 2001–2020; Site B: mean of
2001–2020. Data collected from regional weather stations of Tuscany Region (SIR, Servizio Idrologico Regionale,
https://www.sir.toscana.it/index.php, accessed on 20 January 2023). Distance from sites <10 km. 3 1 m soil
profile mean.

Table 2. Management of the two study sites. Livestock Standard Unit (LSU) refers to a dairy cow
producing 3000 kg of milk per year, without additional concentrated feed (EC, 2008).

Management Unit
Site M (Marradi)

Site B (Borgo San Lorenzo)

B1 B2

2020 2021 2020 2021 2020 2021

Surface ha 5.4 10 20 10

Cut day of year - - - 125 -

Grazing
period

days of year
(start, end)

139–244 a;
244–267 b

135–176 a;
176–276 b

100–180 a;
186–300 b

100–145 a;
145–306 b

180–186 a;
186–300 b

110–145 a;
145–306 b

Stocking rate LSU ha−1 d−1 4.0 a; 3.4 b 3.3 a; 2.0 b 2.9 a; 1.0 b 1.5 a; 1.0 b 0.9; 1.2 b

a and b represent two distinctive grazing periods during the season in terms of stocking rate.
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Figure 2. Aerial view of the study sites of Marradi (M, left) and Borgo San Lorenzo (B, right). Satellite
images of the sites were obtained from Google Earth.

Samples of aboveground dry matter (DM) biomass (AGB, kg DM m−2) and measure-
ments of leaf area index (LAI, m2 m−2) were collected during field surveys conducted in
spring/summer (2020 and 2021) at both sites and used for the modeling work (Table S1).
Field data were collected in 16 randomly arranged samples in an area of 1 m2 each (eight
in M, four in B1, and four in B2). The sampling position was changed from time to time,
taking care to choose areas that represented the general situation. The AccuPAR PAR/LAI
Ceptometer Model LP-80 (Decagon Devices, 2017) was used to measure LAI in each plot.

2.2. Climate Scenarios and Models

Daily-downscaled (bias-corrected) weather data were selected to map a broad range
of climate outputs for impact modeling [49] (Table S2).

In order to take into account the uncertainties of the different climate models in
the projected simulations [50], the outputs of an ensemble of models were considered
for the modeling exercise under the future scenarios RCP4.5 (intermediate scenario) and
RCP8.5 (extreme scenario). The climate change scenario ensemble included 14 members
deriving from the combination of 14 Global Climate Models (GCMs) downscaled to six high-
resolution (~0.12◦) Regional Climate Models (RCMs) in the framework of the Med-CORDEX
project [51]. Daily climate outputs (minimum and maximum temperatures and cumulative
rainfall) obtained from the 14 GCMs (available at https://www.medcordex.eu/index.php/,
accessed on 20 January 2023) were then bias-corrected over the study sites according to
Cornes et al. (2018) and Lange (2019) [52,53] in order to drive the relevant simulations in
future periods. Daily global radiation and relative humidity were retrieved from daily
temperature according to Bristow-Campbell [54] and the FAO Irrigation and Drainage
paper [55], respectively. CO2 annual concentrations (ppm) for past, current, and future
projections were calculated from the IPCC report [56].

2.3. The Grassland Model

The Pasture Simulation model (PaSim) was chosen for this study because it can
describe in detail the dynamic biogeochemical responses of a grassland system under
altered climate and management. Originally developed by Riedo et al. [48], PaSim simulates
the cycling of water, C, and N in grassland systems at a sub-daily time step (1/50th of a day)
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or, as in this work, at a daily time step. Microclimate, soil biophysics, vegetation, herbivores,
and management practices are interacting modules. The simulations are not spatially
resolved (e.g., inhomogeneity is not taken into account) and input/output data are assumed
to be representative of the entire field. The assimilated photosynthetic C is dynamically
allocated to a root and three shoot compartments (each composed of four age classes)
or lost through animal metabolism (ecosystem respiration). Accumulated aboveground
biomass is cut, grazed, or relocated to the litter pool. Management includes the application
of organic and mineral N fertilizers, mowing, and grazing. Details on the model processes
are provided in published articles [57–61], which have contributed to the recognition of
PaSim as a suitable tool to reproduce biophysical and biogeochemical processes in managed
grasslands and its inclusion in international modeling exercises [17,62].

2.4. Simulation Design

The modeling work was performed in four simulation suites: Suite 1 with obser-
vational data (calibration), Suite 2 with projected climate change scenarios with CO2
fertilization effect (impact projections), Suite 3 with projected climate change scenarios
without CO2 fertilization effect (sensitivity), and Suite 4 with modified management under
projected climate change scenarios with CO2 fertilization effect (adaptation assessment).

For Suite 1, the simulations setup included weather, soil, vegetation variables and
management implementation in the studied years (2020 and 2021). The weather variables
included daily minimum and maximum air temperatures, precipitation, and solar radia-
tion. Temperature, precipitation, and wind speed data for 2020 and 2021 were collected
from the regional weather stations of Tuscany Region (SIR, Servizio Idrologico Regionale,
https://www.sir.toscana.it/index.php, accessed on 20 January 2023) located near the study
sites. Daily global solar radiation data were generated from the R package “sirad”, devel-
oped by Bojanowski et al. [63], based on the model of Bristow and Campbell [54]. The
soil data were extracted from the SoilgridsTM dataset (https://soilgrids.org, accessed on
20 January 2023), described in Poggio et al. [64]. The actual management practices (grazing
intensity and periods) are described in Table 2.

Model calibration was not applied separately to each site. The model was calibrated on
all datasets to obtain more realistic and robust parameter values for application on a larger
scale, as in Ma et al. [59]. The availability of detailed LAI and AGB data from two grassland
sites offered the possibility of a genuine (multi-location and multi-output) calibration of the
model, on the assumption that a unique calibration across sites is appropriate under these
conditions. We assumed that a common set of eco-physiological model parameters can be
established to simulate C3 grasslands (including grass, forb, and legume species) under
contrasting climatic and management regimes (e.g., Site M represents hill situations, and
Site B represents plain situations), while site-specific climatic and management conditions
provide the local drivers of actual grassland biomass and foliage production.

In particular, PaSim calibration (Suite 1) was performed against LAI and AGB data
collected in the years 2020 and 2021 by modifying the values of a set of parameters (Table S3)
to which model sensitivity was determined in previous studies [58–61]. Parameter values
were modified (with the generation of 1000 sets of values using the random Latin hypercube
method) within their plausible ranges [48] to ensure satisfactory performance, which is
a realistic representation of both outputs. The sets of parameter values resulting from
the model calibration were used to compare the PaSim outputs (AGB and LAI) with the
observations in each study site. The agreement between simulated and observed AGB
and LAI was assessed by inspection of time-series plots (fluctuations of output variables
over time) and numerically, through two performance metrics commonly used in model
evaluation [65]: relative root mean square error (best, 0 ≤ RRMSE < +∞, worst) and
coefficient of determination (worst, 0 ≤ R2 ≤ 1, best).

For Suites 2, 3, and 4, simulated pastoral outputs were obtained by forcing the
calibrated PaSim with the downscaled (bias-corrected) daily weather data described in
Section 2.2, Climate Scenarios and Models. Projected PaSim responses to climate change
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forcing options were calculated on changes in a set of agro-ecosystem outputs related to
growing season length, fodder production, water cycle, and C-N fluxes (Table 3). At both
sites, we assessed the sensitivity of the grassland model to climate change (RCP4.5 and
RCP8.5 for the ongoing and mid-future periods) under business-as-usual (BaU) manage-
ment (Suites 2 and 3) and alternative management scenarios (Suite 4).

For Suite 2 (impact projections) and Suite 4 (adaptation assessment), grassland model-
ing results were obtained with a climate forcing based on atmospheric CO2 concentration
set at 363 ppm, on average, for the baseline scenario (near past: 1981–2010). In this way,
the year 2010 was taken as the end of the time horizon used in this study to emulate the
near-past climate, i.e., 30-year time span until the late 2000s, which includes the limit of
the historical period (1765–2005) of the atmospheric observations used to drive the climate
models [66]. Then, mean atmospheric CO2 concentrations were prescribed according to
the selected RCPs (middle impact: 4.5; extreme impact: 8.5) and timeframes (ongoing:
2011–2040; mid-future: 2041–2070): 431 (ongoing) and 523 (mid-future) mean ppm under
RCP4.5; and 438 (ongoing) and 613 (mid-future) mean ppm under RCP8.5. The results
related to the pasture system obtained in Suite 2 were then used in the choice of the possible
future adaptation strategies (e.g., increase or decrease in animal load and/or length of
grazing season).

For Suite 3 (sensitivity), any fertilization effect from the additional CO2 emitted during
the period from 2011 to 2070 was eliminated. What has been carried out here is, in effect, a
test of the sensitivity of PaSim to alterations in weather inputs, this exercise being ultimately
focused on understanding the grassland modeling process (not on assessing impacts of
climate change and elevated CO2).

Table 3. Climate change impact metrics.

Type Output Acronym Unit Description

Date

Growing season
start GSs

day of year (doy)

Day after seven consecutive days with a mean air
temperature ≥8 ◦C from 1 January onwards [67]

Growing season
end GSe Day after seven consecutive days with a mean air

temperature <8 ◦C from 1 July onwards [67]

Biomass peak
date BPd Day of the year with the highest value of

aboveground biomass

Count Growing season
length GS days Number of days between the GSs and GSe

Amount

Biomass peak BP kg DM m−2 Aboveground biomass value at the peak date

Aboveground
biomass AGB kg DM m−2 Aboveground biomass values

Net ecosystem
exchange NEE kg C m−2 yr−1

C-N fluxes (annual balance)

(These include emissions from ecosystem respiration,
RECO = plant + soil + animal respiration, as well as
estimates of the plant production of organic compounds
from atmospheric CO2 (GPP: gross primary production)
and other system variables: NEE = RECO - GPP, enteric
emissions of CH4 from grazing animals and N2O
emissions from the N cycle)

Methane CH4 kg C m−2 yr−1

Nitrous oxide N2O kg N m−2 yr−1

Soil water
content SWC m3 m−3 Annual mean of daily soil water content values (0.35-m

topsoil). In Supplementary Materials.

264



Land 2023, 12, 351

3. Results

3.1. Climate Analysis

The monthly distribution of air temperatures at the two study sites (Figure 3), averaged
from the outputs of 14 climate models, showed an overall increase in temperature towards
the mid-future, similar for both sites, with the highest increases in summer (roughly +2.6 ◦C
at both sites under the warmest scenario) and the lowest in autumn–winter (roughly +2.1 ◦C
at both sites under the warmest scenario).

Figure 3. Absolute change (◦C) in monthly mean air temperature (top graphs) and relative change
(%) of monthly cumulated rainfall (bottom graphs) generated in the two study sites with the RCM en-
semble (14 models) for two climate scenarios (RCP4.5, RCP8.5) and two periods–2011–2040 (ongoing)
and 2041–2070 (mid-future)—over the baseline period 1981–2010 (near past).

Analysis of simulated rainfall data (Figure 3) showed increases in the November-
March period relative to the baseline in both scenarios and sites (Site M: +3.1% and +5.1%;
Site B: +6.0% and +8.2%, for RCP4.5 and RCP8.5, respectively), while between April and
October there was a sharp decrease in rainfall at both sites (−7.0% and −8.9% at M and
−9.4% and −8.9% at B for RCP4.5 and RCP8.5, respectively).

3.2. Suite 1 of Simulations: Evaluation of the Model against Observed Data

AGB simulations (Figure 4, Table 4) indicate that estimates substantially reflect patterns
of vegetation dynamics (R2~0.70) although some departures from observed data are noted.
The RRMSE values (<15%), in particular, suggest that the model has strong predictive
ability for biomass production. This was also obtained with the LAI, with R2 < 0.50 only in
sub-area B1 of Site B, where the RRMSE of ~25% was acceptable.
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Figure 4. Simulated (blue line) and observed (red square dots) patterns of aboveground biomass
(AGB) and leaf area index (LAI) at Sites M (a), B1 (b), and B2 (c) for the period 2020–2021.

Table 4. Model performance for the two study sites (M: Marradi; B: Borgo San Lorenzo, sub-areas B1
and B2) based on two performance metrics: R2, coefficient of determination of the linear regression
between estimates and observations; and RRMSE (%), Relative Root Mean Square Error. AGB:
aboveground biomass; LAI: Leaf Area Index.

Output

Site M Site B

R2 RRMSE
B1 B2

R2 RRMSE R2 RRMSE

AGB 0.76 14.9 0.66 13.5 0.68 10.0

LAI 0.96 9.6 0.47 24.5 0.71 12.6

3.3. Suites 2, 3, and 4 of Simulations: Impacts of Future Scenarios, Sensitivity to Weather Inputs,
and Adaptation Strategies

For both sites, we assessed the response of the grassland model to climate change
(RCP4.5 and RCP8.5 for the ongoing and mid-future periods) with business-as-usual (BaU)
management (Suite 2) and to different management options (Suite 4). Multi-year mean
responses for growing season length (GS), biomass production (AGB), and biogeochemical
(C-N fluxes) were calculated. Sensitivity analysis was performed without the CO2 fertiliza-
tion (Suite 3) effect by observing future AGB trends over the season for the different RCPs
and time periods.
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3.4. Growing Season

Under the climate change scenarios, the estimated length of the growing season
increases at both sites because optimal thermal conditions for vegetation growth occur
earlier and later in the season. This leads to an earlier onset (GSs) and later end (GSe) of the
growing season (GS) in both sites, especially in the mid-future (i.e., 2041–2070) (Figure 5).
Specifically, for RCP4.5, GSs was advanced by 4 and 8 days, on average, in Site M and by 6
and 12 days in Site B for the periods 2011–2040 and 2041–2070, respectively. In addition,
GSe was delayed by 3 and 9 days, on average, for the periods 2011–2040 and 2041–200,
respectively, at Site M and by 4 and 9 days, on average, at Site B for the periods 2011–2040
and 2041–2070, respectively. The most pronounced differences from the baseline are visible
for the RCP8.5 scenario. Earlier onsets of 4 and 17 days for Site M and 11 and 15 days for
Site B under the periods 2011–2040 and 2041–2070, respectively, are accompanied by delays
in GSe (5 and 18 days for Site M and 8 and 13 days for site B under the periods 2011–2040
and 2041–2070, respectively).

 
(a) (b) 

Figure 5. Estimated durations (30-year mean values) of vegetation growing seasons (green bars) for
baseline and climate change scenarios under business-as-usual management at both study sites (a).
On the right, increases of growing season length compared with the baseline (b).

3.5. Aboveground Biomass

Figure 6 shows the AGB production patterns under BaU management in both sites for
the baseline and future projections, while the AGB patterns obtained with all alternative
management options can be found in the Supplementary Material (Figures S2–S5).

 

Figure 6. Daily simulation (30-year mean) of aboveground biomass (AGB) with PaSim for baseline
and climate change scenarios under business-as-usual management at both study sites.

267



Land 2023, 12, 351

The main differences in AGB patterns among alternative management and climate
scenarios were assessed from changes in peak biomass dates (BPd) and corresponding AGB
values (BP), which strongly influence stakeholders’ and farmers’ decisions in choosing the
most suitable periods for grazing.

With the baseline climate scenarios, PaSim reported peak biomass on days 138 (Site M)
and 157 (Site B). With the future climate scenarios, the model indicated the same BPd at
Site M (day 138) with both scenarios and time slices, as grazing starts on day 139, while
Site B showed a general delay in BPd, specifically 1 to 5 days in RCP4.5 and 3 to 10 days
in RCP8.5.

In the baseline scenarios, the peak biomass production (BP) is 0.13 (±0.03 standard
deviation) kg DM m−2 at Site M and 0.09 (±0.02 standard deviation) kg DM m−2 at
Site B. With the climate change patterns, PaSim estimated higher BP values with both
RCP4.5 (by 48.4 and 90.8% at Site M and 58.9 and 139.7% at Site B, for 2011–2040 and
2041–2070, respectively) and RCP8.5 (by 52.1 and 136.9% at Site M and 73.4 and 216.8%
at Site B, respectively), mainly due to the fertilizing role of CO2 in the selected emission
scenarios and the absence of sensible water deficits simulated by PaSim (Figure S1). With
respect to SWC, in fact, although the simulated patterns suggest that, with drier summer
conditions, grassland growth may be limited by some water stress in the future, differences
between the baseline and climate change scenarios are limited at both sites. In particular,
no significant changes in SWC are evident during the spring period, when plant growth
activity is the greatest.

To assess the effect of CO2 fertilization (Suite 3), we tested the same climate change
scenarios using the mean baseline CO2 concentration (i.e., 363 ppm recorded, on average,
during 1981–2010), showing that BP values under the baseline CO2 concentration did
not increase to the same extent as observed for the future scenarios with higher CO2
concentration (Figure 7). Specifically, compared with the baseline, the BP increased by 24.8
and 29.5% at Site M and 10.5 and 16.5% at Site B for RCP4.5 (for 2011–2040 and 2041–2070,
respectively) and by 25.2 and 50.0% at Site M and 15.4 and 27.0% at Site B for RCP8.5 (for
2011–2040 and 2041–2070, respectively).

Figure 7. Daily simulation (30-year mean) of aboveground biomass (AGB) with PaSim for baseline
and climate change scenarios (no CO2 fertilization) under business-as-usual management at both
study sites.

Considering the results of Suite 2, alternative management practices (Suite 4) included:
(1) livestock grazing intensity increased by 20% (i.e., +20 GI); (2) extension of the grazing
period length by 15% (i.e., +15 GL), specifically 7 days earlier start and 7 days later end at
Marradi, 16 days earlier start and 16 days later end at Borgo San Lorenzo; (3) combination
of (1) and (2) (i.e., +20GI x 15GL). For the impact of adaptation strategies, the value of the
peak biomass obtained with alternative management practices (i.e., BaU and adaptation
management options) was compared with the peak biomass from business-as-usual (BaU)
management under the projected scenarios (Figure 8).
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Figure 8. Changes in peak aboveground biomass (kg DM m−2) among business-as-usual management
(BaU) under the baseline climate (black histogram) and all alternative management options under
RCP4.5 (cyan and blue histograms) and RCP8.5 (orange and red histograms) in both sites as provided
by PaSim. Vertical bars are standard deviations.

According to model’s outputs, the aboveground peak (Figure 8) and the trends over
the season (Figures S2–S5), obtained using the different adaptation strategies, show that
future biomass availability will reach higher values when compared with the baseline, even
by increasing the animal stocking rate (i.e., +20 GI) and/or the number of grazing days (i.e.,
+15 GL or +20 GI × 15 GL).

3.6. Carbon–nitrogen Fluxes

Under current climate and management conditions, PaSim shows limited non-CO2
emissions at both sites, i.e., ~2 g C m−2 yr−1 for CH4 and 4.6–4.7 g N m−2 yr−1 for N2O emis-
sions, while the C exchanges reflect that both sites are sources of C (NEE ≥ 350 g C m−2 yr−1,
Table 5).

Table 5. C-N emissions (NEE: net ecosystem CO2 exchange; CH4: methane; and N2O: nitrous oxide)
from the two study sites (baseline climate), estimated (30-year mean with standard deviation) using
PaSim. The estimated components of the C budget (GPP: gross primary production; RECO: ecosystem
respiration) can be found in Supplementary Material (Table S4).

Site
NEE CH4 N2O

g C m−2 yr−1 g N m−2 yr−1

Site M 381.3 ± 245.6 2.2 ± 0.3 4.6 ± 3.4
Site B 350.1 ± 236.1 1.8 ± 0.2 4.7 ± 3.2

Heatmaps of the % differences between current conditions (i.e., baseline climate and
BaU management) and combinations of alternative climate and management scenarios
allow the impact of altered climate and management changes on gas emissions at the
two study sites to be assessed (Figure 9). For NEE, in particular, the PaSim heatmaps
show overall trends towards C uptake (more negative NEE values) in both study sites
by moving towards extreme climate conditions (i.e., RCP8.5 and time-frame 2041–2070),
with all management options. This reflects the AGB pattern (Figure 6) resulting from a
higher photosynthetic plant production from atmospheric CO2, even with increased animal
respiration under the option of increased livestock density (GPP and RECO values in
Table S4).

269



Land 2023, 12, 351

Figure 9. Heatmap visualization of the relative differences (%) of the three main greenhouse gas
emissions (NEE: net ecosystem exchange; CH4: methane; and N2O: nitrous oxide), estimated using
PaSim, for alternative management and climate change scenarios compared with current climate and
management in the two study sites. OG: ongoing period, MF: mid-future period, 4.5: RCP4.5, 8.5:
RCP8.5, GI: grazing intensity; and GL: grazing length, 20: +20%, 15: +15%.

As for CH4 emissions, the PaSim heatmap indicates that emissions are higher with
the warmest scenario and as livestock density increases (up to <100%). Finally, the N2O
emissions estimated by PaSim tend to be lower under future climate and alternative
management scenarios.

4. Discussion

4.1. Model Parameterisation

The great deal of fundamental research incorporated into the mechanistic PaSim model
has ensured satisfactory estimates, which are also comparable to published grassland
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modeling studies [68,69]. This is relevant considering that simulations for grasslands are
generally less accurate compared with arable crops [70] since large uncertainties in biomass
and LAI measurements cause simulation of grassland vegetation dynamics to be difficult
to perform [67,71].

This was obtained with calibrated parameter values (Table S3) that do not deviate
substantially from those obtained in previous studies on continental and Mediterranean
grasslands. For instance, the maximum specific leaf area, slam = 27.2 m2 kg−1, is similar to
slam = 29 m2 kg−1 obtained in the Europe-wide calibration of Ma et al. [59]. Light-saturated
leaf photosynthetic rates for reproductive (pmco2rep = 12.88 μmol C m−2 s−1) and vegeta-
tive (pmco2veg = 9.49 μmol C m−2 s−1) stages are similar to the values obtained for Mediter-
ranean grasslands (pmco2rep = 14.0 μmol C m−2 s−1 and pmco2veg = 10.0 μmol C m−2 s−1)
from Pulina et al. [60]. The root and shoot turnover rates at 20 ◦C, kturnrt20 = 0.0155 d−1

and kturnsh20 = 0.0468 d−1, respectively, exceed those estimated by Pulina et al. [60] for
grasslands dominated by annual self-seeding plant species: 0.0144 d−1 and 0.0250 d−1,
respectively. With the obtained calibration, the shoot turnover parameter dwindled to
approximately 21 days (1/0.0144 d−1), which is lower than 40 days (1/0.0250 d−1), as in
Pulina et al. [60]. In fact, perennial plants tend to invest mainly in long-lived and competi-
tive adult individuals, and, consequently, shoot turnover tends to be faster in perennial
plants than in annual species, as the former allocate more resources for new leaf growth to
maximize photosynthetic efficiency [72].

4.2. Uncertainties in Climate Change Impacts and Adaptation Strategies

The adopted impact model was widely applied in various contexts [59,60,73,74], deal-
ing with multifaceted territorial and vegetation structures and extreme weather conditions,
which are often difficult to parameterize [75] due to the complex response of the vegetation
growth with respect to critical thresholds (e.g., air temperatures, water requirements, and
radiation use efficiency) for mixed plant communities [17]. In this study, PaSim represented
the effects of climate change and management options on the timing and extent of the
growing season and C-N fluxes, together with biomass production and peaks. The longer
growing season length was due to the extension of the potential growing season in both
spring and autumn, as already observed in grasslands during the last decades [76,77].
The mean plant growth trend simulated with the model (30-year means) mirrors the ob-
served pattern of vegetation growth during the growing season, indicating that the overall
pattern of response to elevated atmospheric CO2 concentration significantly stimulates
leaf photosynthesis [78,79]. Sensitivity analysis performed in Suite 2 highlighted this
fertilization effect of increased CO2 concentration simulated by PaSim; nevertheless, it
must be underlined that similar trends of increased aboveground biomass in both future
climate change scenarios and time periods are visible also with steady CO2 concentration
(i.e., baseline concentration, 363 ppm), albeit to a lesser extent. In addition, although a
down-regulation strategy can be useful to limit the effect of increased CO2 concentration on
plant growth [80], it is worth emphasizing that the production increases projected for the
mid-future (2041–2070) resulted in being particularly high when compared with a baseline
that reflects a situation of the near past (period 1981–2010). When compared, instead,
with the ongoing period (2011–2040), which reflects average aboveground biomass values
similar to the present and to the calibration period, the increases are smaller, comparable
to those found in other studies [81,82]. The CO2 positive effect is reflected in the higher C
uptake estimated by PaSim as a result of increased productivity, also with higher stocking
rates (i.e., higher C losses due to higher animal respiration), which confirms the increased
worldwide productivity of grasslands exposed to increased CO2 [83].

PaSim estimated increasing CH4 emissions and decreasing N2O emissions with climate
scenarios. The former logically reflects evidence that grasslands emit more CH4 at higher
temperatures [84]. Although the latter does not reflect the direct effect of temperature
on the enzymatic processes involved in N2O production, N2O emissions are controlled
mainly by soil properties and current soil N levels [85], which may have been reduced with
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increased plant demand due to higher biomass production under climate scenarios. This
increase in future biomass production, driven by the higher average annual GPP (gross
primary production), also led to a consequent decrease in simulated NEE over the years.

4.3. Consequences for Grassland Sustainability

Herders depend on pasture and water resources for their livestock and are among
the groups most vulnerable to climate change impacts in dry regions [39,86–89]. Although
there are reasons to be concerned, some impacts of climate change are expected to be
positive. Foreseen climate variability can be an opportunity for effective management,
as actions could be timed to the most effective conditions, and climate change could be
a motivation to develop a broader and more responsive and collaborative management
paradigm. We showed that increases in plant productivity and longer growing seasons
in central Italy may support more livestock and increase economic benefits. Rising air
temperatures simulated by climatic models, combined with increasing concentrations of
CO2 in the atmosphere in RCP4.5 and RCP8.5 scenarios, are expected to offer important
opportunities in terms of forage production for livestock systems in central Italy. This is
possible if future water availability is not a limiting factor, as stressed by various research
studies on grassland potential production [90]. Indeed, as seen from the results of climatic
models, precipitations are expected to decrease in the future, mostly in summer months
but not particularly in spring. The availability of water in the soil, therefore, does not vary
significantly over time and future climate change scenarios, as is visible from the soil water
content simulated by PaSim (Figure S1). These trends on future pasture productivity are
consistent with other studies, originating also from different geographical sectors. Already
in the understanding of Rounsevell et al. [91], it seemed unlikely that climate change
would have a negative impact on grasslands in England and Wales, while Riedo et al. [48]
predicted a positive effect on grassland productivity in central Europe. Additionally, in
the case of grasslands in the United States, pasture production is generally expected to
increase under projected climate scenarios [92]. Moreover, Morales et al. [93] predicted an
increase in grassland productivity in Europe, albeit with significant regional variability. In
this regard, it should be emphasised that the impacts of climate change on grazing systems
may be region-specific [94].

Adaptation strategies must face different and opposite effects on rangeland productiv-
ity, as already previously pointed out [95,96], and in some cases, it is foreseen that climate
change can produce a positive effect, being able to support greater livestock numbers [97]
and to lengthen the duration of the grazing season due to a higher herbage availabil-
ity early in the year [98]. In our study, we provided clues for increasing stocking rates
and extending grazing periods (mainly by putting animals out to pasture earlier) to take
advantage of the change in seasonality and increased forage production compared with
the baseline (1981–2010), especially in the mid-future (i.e., 2041–2070). The possibility of
having an earlier vegetative recovery that prolongs the duration of the grazing season
allows, along with the higher productivity assumed, an increase in animal density, and,
in this way, a biomass intake more consistent with the forage availability. Consequently,
these conditions allow a more efficient management of the resource [99] with less waste
and a more adequate stocking rate, a factor that ensures less degradation of the pasture
itself [100]. Results confirm these opportunities also comparing mid-future aboveground
biomass under adaptation strategies (peak and trend, Figures 8 and S2–S5) with those of the
ongoing period under BaU (i.e., 2011–2040), which is the condition most similar to the one
of calibration. In this view, it is, however, important to emphasize that in the simulation
of adaptation strategies, the model does not specifically consider the role of increased
animal stocking rate and/or duration of the grazing season on soil compaction, a condition
that may disadvantage forage quality, vegetation regrowth, and biodiversity [101,102].
In addition, warming and altered rainfall patterns may reduce the forage quality and
palatability of Italian grasslands [6]. Indeed, climatic changes, as well as land-use changes,
have already strongly modified the botanical composition, species distribution, and size of
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grasslands in the central Italian massifs since the 1950s [43]. The observed floral, ecological,
and structural variations confirm that grassland ecosystems in mountainous environments
in Italy have undergone a process of thermophilization, with an evolutionary trend to-
wards more nutrient-demanding vegetation [34,42]. Variations in vegetation composition
in response to increased competition for environmental factors indicate, at higher altitudes,
less displacement of plant species from higher slopes as well as dispersal of species from
south-facing to north-facing slopes, with greater presence of grass- and shrub-dominated
communities replacing rare and cold-tolerant species [103]. This reflects the narrower ther-
mal niche of mountain plant species, which makes short-term adaptation/acclimation more
difficult [104]. As a narrow thermal niche prevents plant species from adapting quickly to
high altitudes, site elevation explains the response of species richness to warming [105].
Indeed, although changes in species cover and plant community composition indicate an
accelerated transformation to more heat-demanding vegetation, this colonization process
may occur at a slower rate than the continued decline of cryophilic species, favoring periods
of accelerated species decline [106].

The analyses performed in this study identified the possible impacts of climate change
on a typical grazing system of the Apennines in Central Italy, highlighting future trends of
different system characteristics, such as length of the growing season, pasture productivity,
soil water conditions, and gas emissions, as well as possible alternative management strate-
gies in a context of future climate change. In fact, the results obtained in this study highlight
the potential of employing specific models for simulating the behavior of pastoral resources
under actual utilization and different future scenarios (i.e., RCP4.5 and RCP8.5), testing
adaptation management options. In this sense, the study has produced a significant step
forward compared with previous studies that analyzed climate change impacts on Apen-
nine grasslands, mainly with regard to the botanical evolution of the plant communities,
by providing insights on future agronomic conditions and possible adaptation strategies.
The modeling approach used has, thus, been demonstrated to be a useful tool to support
the management decisions that breeders will have to make in the near future.

5. Conclusions

The results of this study represent a step forward in the knowledge of the impacts of
future climate change on a typical pasture system in the central Apennines. Specifically,
this study fills a lack of information on future grassland development, as well as providing
detailed information on the length of the growing season, GHG emissions, water conditions,
and the effectiveness of different adaptation strategies in response to the increase in forage
production simulated by PaSim in future scenarios. In particular, the analysis of adaptation
strategies investigated possible management changes to cope with climate change impacts,
providing useful indications to stakeholders and policy-makers for appropriate agricultural
policy and optimal land management strategies for ongoing climate change.

However, while modeling approaches capture distinct aspects of the adaptive process,
they have done so in relative isolation from the use of other technological supports (e.g.,
remote sensing and precision farming) and participatory approaches, without producing
improved unified representations. As well, management options to sustain grassland
ecosystems under global change are many and need to be tested for their ability to maintain
or enhance resource values in the future. Social impact assessment studies are, thus, needed
to examine how the impacts, i.e., the effects of climatic anomalies on the performance of
Apennine pastures, propagate through the socio-economic and political systems. This type
of integrated approach, which would include the potential for adaptation and adjustment
to climate pressure, would reflect the reality of pastoral communities much better than
the modeling used and raises fruitful research questions regarding the vulnerability of
Apennine territories and their adaptive capacity.
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Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/land12020351/s1, Table S1: Aboveground dry matter biomass (AGB)
and leaf area index (LAI) collected in 2020 and 2021 in the two study-sites (sample mean and standard
deviation of eight sub-samples in Marradi and four sub-samples in Borgo San Lorenzo); Table S2:
Climate models used in this study, an indication of their origin (institute), version, realisation and
frequency. The suffixes i and p of each realisation (r) indicate the initialisation and physics indices,
respectively; Table S3: Summary of the PaSim parameters considered for the calibration; Table S4:
Simulated flux components (30-year mean) from the two study-sites for the baseline (1981–2010)
and climate scenarios (RCP4.5 and RCP8.5) under different management options, estimated using
PaSim (GPP: gross primary production; RECO: ecosystem respiration; NEE: net ecosystem exchange).
+20 GI represent a 20% rise in animal stocking rate, 15 GL a 15% increase in grazing length and
+20 GI × 15 GL a combination of these two management factors. RCP4.5 and 8.5 are the different
Representatives Concentration Pathways used in the simulations; Figure S1: Daily simulation (30-year
mean) of 0.35-m soil water content (SWC) with PaSim for baseline and climate-change scenarios under
business-as-usual management at both study-sites. RCP4.5 and 8.5 are the different Representatives
Concentration Pathways used in the simulations; Figure S2: Daily simulation (30-year mean) of
aboveground biomass (AGB) with PaSim for climate-change scenarios under different adaptation
strategies at Marradi site for 2011–2040 period. +20 GI represent a 20% rise in animal stocking
rate, 15 GL a 15% increase in grazing length and +20 GI × 15 GL a combination of these two
management factors. RCP4.5 and 8.5 are the different Representatives Concentration Pathways
used in the simulations; Figure S3: Daily simulation (30-year mean) of aboveground biomass (AGB)
with PaSim for climate-change scenarios under different adaptation strategies at Marradi site for
2041–2070 period. +20 GI represent a 20% rise in animal stocking rate, 15 GL a 15% increase in
grazing length and +20 GI × 15 GL a combination of these two management factors. RCP4.5 and 8.5
are the different Representatives Concentration Pathways used in the simulations; Figure S4: Daily
simulation (30-year mean) of aboveground biomass (AGB) with PaSim for climate-change scenarios
under different adaptation strategies at Borgo San Lorenzo site for 2011–2040 period. +20 GI represent
a 20% rise in animal stocking rate, 15 GL a 15% increase in grazing length and +20 GI × 15 GL a
combination of these two management factors. RCP4.5 and 8.5 are the different Representatives
Concentration Pathways used in the simulations; Figure S5: Daily simulation (30-year mean) of
aboveground biomass (AGB) with PaSim for climate-change scenarios under different adaptation
strategies at Borgo San Lorenzo site for 2041–2070 period. +20 GI represent a 20% rise in animal
stocking rate, 15 GL a 15% increase in grazing length and +20 GI × 15 GL a combination of these two
management factors. RCP4.5 and 8.5 are the different Representatives Concentration Pathways used
in the simulations.
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Abstract: The burning of fossil fuels by humans emits large amounts of CO2 into the atmosphere and
strongly affects the Earth’s carbon balance, with grassland ecosystems changing from weak carbon
sinks that were previously close to equilibrium to core carbon sinks. Chinese grasslands are located in
typical arid–semi-arid and semi-arid climatic regions, and drought events in the soil and atmosphere
can have strong and irreversible consequences on the function and structure of Chinese grassland
ecosystems. Based on this, we investigated the response of the gross primary production (GPP) of
Chinese grasslands to land–atmosphere moisture constraints, using GPP data simulated through four
terrestrial ecosystem models and introduced copula functions and Bayesian equations. The main
results were as follows: (1) Soil moisture trends were not significant, and changes were dominated
by interannual variability. The detrended warm-season SM correlated with GPP at 0.48 and 0.63
for the historical and future periods, respectively; thus, soil moisture is the critical water stress that
regulates interannual variability in Chinese grassland GPP. (2) The positive correlation between
shallow SM (0–50 cm) and GPP was higher (r = 0.62). Shallow-soil moisture is the main soil layer
that constrains GPP, and the soil moisture decrease in shallow layers is much more likely to cause
GPP decline in Chinese grasslands than that in deep-soil water. (3) The probability of GPP decline in
Chinese grasslands caused by drought in shallow soils of 0–20 and 20–50 cm is 32.49% and 27.64%,
respectively, which is much higher than the probability of GPP decline in deeper soils. In particular,
soil drought was more detrimental to grassland GPP in Xinjiang and the Loess Plateau. (4) The
probability of soil drought causing GPP decline was higher than that of atmospheric drought during
the historical period (1.78–8.19%), but the probability of an atmospheric drought-induced GPP deficit
increases significantly in the future and becomes a key factor inhibiting GPP accumulation in some
regions (e.g., the Loess Plateau). Our study highlighted the response of grassland ecosystems after the
occurrence of soil drought, especially for the shallow-soil-water indicator, which provides important
theoretical references for grassland drought disaster emergency prevention and policy formulation.

Keywords: gross primary productivity; water constraint; Chinese grasslands; soil drought;
probabilistic framework

1. Introduction

Global climate change has fundamentally altered the inherent patterns of variability
of weather phenomena, such as precipitation and temperature, leading to the increasing
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frequency of extreme weather events such as droughts, heat waves, and cold waves [1].
Extreme events severely affect the composition and function of terrestrial ecosystems,
thus affecting the terrestrial carbon cycle and its feedback to the climate system. Extreme
droughts, in particular, are highly anticipated natural disasters because they occur with
the highest frequency and exert the greatest influence [2,3]. The intensity and frequency of
droughts are the most limiting factors affecting terrestrial vegetation growth and carbon
cycling [4], and droughts reduce the water available to vegetation directly [5], with extensive
and profound effects on carbon uptake in terrestrial ecosystems [6].

Recent research pointed out that terrestrial carbon sinks are often strongly influenced
by interannual fluctuations in terrestrial water storage. Terrestrial water constraints are also
an important limiting factor for the accumulation of ecosystem gross primary productivity
(GPP) [7], that is, the largest carbon flux [8]. However, the terrestrial water storage referred
to by previous studies includes all water types, such as soil water, groundwater, surface
water, and canopy water. In contrast, there is a lack of exploration of the possible effects of
water shortage from the soil on ecosystem productivity, as the terrestrial water variability
is considerably sensitive [9]. Soil moisture accounts for a relatively large proportion of
terrestrial water storage [10,11]. However, soil moisture is a generalized concept, and
it is generally loosely considered as all the water within 3 m below the ground surface.
Considering the differences in terrestrial water adaptation of different plants and the strong
link between water availability to grass plants and root depth [12], it is necessary to explore
the varying effects of soil water constraints at different soil depths on ecosystem GPP.

In addition to soil drought, atmospheric drought has been recently reported as one
of the hydraulic processes that affect ecosystem productivity [13]. Plants initially draw
water from the soil for photosynthesis and simultaneously dissipate it in the atmosphere
through transpiration from plant leaves [14]. Both supply and depletion stresses can
significantly reduce terrestrial carbon uptake and crop yields [6] and cause widespread
vegetation mortality. However, current research on the primacy of soil moisture (SM) and
atmospheric moisture (vapor pressure difference, VPD) on ecosystem productivity response
is controversial. Novick et al. (2016) pointed out that VPD has a greater constraining effect
on stomatal conductance and evapotranspiration than SM, which is more important for
carbon accumulation. Moreover, as atmospheric VPD will continue to rise in the future,
the negative effect of VPD on stomatal conductance during the plant growing season
will increase significantly, as will its dominance on carbon fixation [15]. Liu et al. (2020)
proposed the opposite conclusion and claimed that soil drought is the main stress that
threatens GPP accumulation in more than 70% of regional ecosystems worldwide, and
by decoupling SM–VPD, found that the impact of VPD on terrestrial ecosystems is much
smaller than that of soil moisture [16]. Given the complexity of the coupling between VPD
and SM, it is highly desirable to use novel methods (e.g., probabilistic) to compare the
dominance of VPD and SM on ecosystem GPP.

Chinese grasslands are mainly distributed in arid and semi-arid regions (typical
temperate grasslands and montane grasslands) and the Tibetan Plateau (typical alpine
grasslands), where the ecological environment is fragile [17,18], providing a natural barrier
to ecological security in Central and Western China. Due to the unique arid–semi-arid
environment and distinct vertical zonality, the carbon cycling processes in Chinese grass-
land ecosystems are very sensitive to climate change and human disturbances [19–21]. In
this study, Chinese grasslands were the study area, and copula functions and Bayesian
equations were introduced to explore the conditional probability of GPP decline in Chi-
nese grassland ecosystems when atmospheric drought (high-VPD event) and soil drought
(low-SM event) occurred, respectively. We aim to address the following three issues.

(1) To analyze the interannual variability of SM and GPP in Chinese grasslands and to
explore the mechanisms of SM regulation of GPP in Chinese grassland ecosystems
during historical and future periods.
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(2) To compare the correlation between the effects of SM on ecosystem GPP in different
soil layers, and analyze the conditional probability of drought in soils of different soil
layers causing a decline in GPP in Chinese grasslands.

(3) To calculate the difference between the probability of ecosystem loss due to soil
drought minus the probability of ecosystem loss due to atmospheric drought and
determine the key moisture constraints controlling GPP in Chinese grasslands.

2. Materials and Methods

2.1. Materials
2.1.1. GPP Datasets

We used the model outputs from four global vegetation dynamics models (CARAIB,
LPJ GUESS, LPJmL, ORCHIDEE DGVM) as GPP (monthly, 0.5◦) products. The model GPP
products are all derived from the harmonized general circulation model IPSL-CM5A-LR
as meteorological forcing data, considering historical (1901–2005) and further (2006–2099)
scenarios. The results of the model simulations of GPP are all implemented strictly in
accordance with the ISIMIP 2b standard protocol, so differences between model outputs are
only related to the complexity of the model. Considering that a single model only provides
valuable and usable insights at the regional scale, to effectively eliminate intra-model
variability and reduce uncertainty in GPP products, we conducted pooled averaging of
multi-model GPPs for further processing. Since only LPJmL of the four models of ISIMIP
2b provides mainstream high-emission RCP8.5 climate projections, the future scenarios
consider only medium to high GHG emission scenarios (RCP6.0).

2.1.2. SM Datasets

SM data were used to characterize the degree of soil drought. The previous com-
parison of individual simulated values and pooled averages shows that the amplitudes
of the pooled averages are much smaller than those of individual simulated values [22].
In other words, the ensemble averaging method can effectively eliminate the effect of
variability within the model, which can effectively reduce the uncertainty between different
models. Therefore, we selected the pooled average soil moisture products from the four
model outputs.

However, it should be additionally noted that the different models differ in their
simulation of land atmospheric exchange fluxes and carbon- and water-cycle stocks in
natural and agro-ecosystems, so each model provides different soil moisture soil thicknesses.
Here, to match soil layer thickness and reduce data errors, the soil moisture counted was
limited to the sum of the moisture in all soil layers within 3 m below ground.

In addition, to explore the binding effect of soil moisture in different soil layers on
ecosystem GPP, the LPJmL model with explicit soil stratification thickness was extracted for
further analysis. The LPJmL model output included soil moisture at different soil depths of
0–20 cm, 20–50 cm, 50–100 cm, 100–200 cm, and 200–300 cm.

2.1.3. VPD Datasets

We also obtained standard-corrected model input parameters (temperature and rel-
ative humidity) from ISIMIP to calculate VPD, which refers to the difference between
saturated vapor pressure and actual vapor pressure (AVP) at a given temperature and is a
direct measure of the intensity of atmospheric drought [23].

VPD = SVP − AVP

Saturated vapor pressure is a non-linear function of atmospheric temperature and
can be obtained directly from atmospheric temperature calculations with the following
empirical formula:

SVP = 6.112 × f a × e
17.67Ta

Ta+243.5

fa = 1 + 7 × 10−4 + 3.46 × 10−6Pmst
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Pmst = Pmsl

(
(Ta + 273.16)

(Ta + 273.16) + 0.0065 × Z

)

where Ta is the atmospheric surface temperature (◦C); Z is the altitude (m); Pmsl is the
atmospheric pressure at mean sea level (≈1013.25 hPa); and Pmst is the atmospheric pres-
sure (hPa).

AVP =
RH
100

× SVP

The above equation shows that warming significantly increases the amount of water
vapor held by the atmosphere at saturation (saturation vapor pressure), while the actual
vapor pressure of the atmosphere (depending on the relative humidity) remains relatively
constant. Consequently, the warming is followed by a non-linear increase in VPD.

2.1.4. Definition of Warm Season and Screening for Warm-Season GPP, SM, and VPD

The warm season in the grid cell was defined as the hottest three month average (one
value per year) given that the warm season coincides with the main growing season of
plants [24].

We adopted the previous idea of averaging (one value per year) GPP, SM, and VPD
for the three months with larger mean temperature values, as carbon loss due to moisture
shortage is often most intense in the hottest three months. Therefore, the location of the
three months with the largest temperature on the grid unit was extracted by counting the
monthly mean temperatures over the period 1901–2005, and the mean GPP, SM, and VPD
for the three months with the largest temperature on the metric scale were then filtered
from the time series for analysis.

2.2. Methods
2.2.1. Interannual Correlation Measures

For extreme value theory, the correlation coefficient is a good indicator and is com-
monly used to measure the effect of dependence on the likelihood of binary extreme
values [24]. We calculated the interannual correlation between the SM and GPP model
dataset per pixel. To remove the influence of climate change signals on long-term trends,
we performed a linear detrending of the bivariate prior to calculating correlations.

Commonly used correlations include Pearson and Spearman [25]. Pearson correla-
tion coefficients are only applicable to correlation analyses where the two variables are
linear; however, the effect of SM on GPP is often non-linear. Therefore, we chose the
Spearman’s rank correlation coefficient to analyze the correlation between SM and GPP,
with a stronger negative correlation between the two variables indicating more significant
negative feedback.

2.2.2. Bivariate Linkage to Calculate the Probability of Conditions under Soil (or
Atmospheric) Drought Conditions

Based on the copula function and Bayesian equation, we drew on the novel prob-
abilistic assessment framework constructed by Wang et al. (2021) and He et al. (2022)
to calculate the conditional probability of a simultaneous soil drought (or atmospheric
drought) scenario. This consists of the following three steps:

(1) Fitting of marginal distributions
Bivariate frequency analysis requires that the distributions of the random variables U

and V be determined, so determining the marginal distribution of the bivariate is a prereq-
uisite for constructing the joint probability distribution. We used a non-parametric method
for fitting the marginal distributions, because non-parametric estimation methods do not
require prior estimation or assumptions about all parameters of the copula function of the
dependence structure between the bivariate variables, and can be directly estimated to
obtain the fitted values at any point [26]. Non-parametric kernel density estimation is there-
fore more widely used in practice than conventional parameter estimation (e.g., normal,
gamma), and can effectively eliminate errors in the fitted joint probability distribution due
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to partial singular values. Kernel density estimation is the most widely used test in the field
of non-parametric estimation [27], where the kernel distribution produces a non-parametric
probability density estimate that adapts itself to the data, rather than selecting a probability
density estimate with a particular parameter. Here, we used kernel density estimation to
derive marginal distribution fits for the bivariate.

The kernel function density estimation method is described by the following equation:

fn(x) =
1

nh∑n
i=1 K

(
x − xi

h

)

fn(x) represents the kernel density value; n represents the number of samples in the
bandwidth range; h is the window or bandwidth, representing a reasonable smoothing
parameter and h > 0; K is the kernel smoothing function; (x − xi) is the distance between
points to xi; and x1, x2, . . . xn are random samples from an unknown distribution.

The kernel density estimate of the cumulative distribution function is described
as follows:

Fn(x) =
∫ x

−∞
fn(t)dt =

1
n∑n

i=1 G
(

x − xi
h

)
, G(x) =

∫ x

−∞
K(t)dt

(2) Fitting and optimization of joint probability distributions
Copulas are multivariate distribution functions defined in the domain of [0, 1] and are

used to describe correlations between multiple variables. The bivariate copula function is
commonly used to describe the dependence structure between two sets of random variables
and to count the joint probability of an event (such as a compound drought) occurring.
Sklar confirms that the copula function is unique in that if F(·,·) is a joint distribution
function and X(·) and Y(·) are marginal distribution functions of independent variables,
then there must be a copula function C(·,·), satisfying

F(x, y) = C(X, Y)

When X(·) and Y(·) are continuous, there must be a uniquely determined C. Conversely,
X(·) and Y(·) are only one-dimensional distribution functions.

According to Sklar’s theorem, the joint probability distribution function FX,Y(x, y) for
variables X and Y can be expressed as:

FX,Y(x, y) = C(FX(x), FY(y)) = P(X ≤ x, Y ≤ y)

where Fx(x) = P(X ≤ x) and Fy(y) = P(Y ≤ y) are the cumulative distribution functions of
the variables X (e.g., SM) and Y (e.g., GPP). C is the joint distribution function of U = Fx(x)
and V = Fy(y) after marginal fitting, and the new sequence U and V after the marginal
distribution fitting transformation has the characteristics of a uniform distribution.

In addition, a binary copula family connection function is required to calculate the
joint probability of an event, and we chose the joint distribution functions Clayton, Frank,
Gumbel, t, and Gaussian copula to describe the possible dependency structure of the two
variables. The function expression is described in Table 1.

Table 1. Expressions of marginal distribution function.

Copula
Expression of Distribution Function

C(u,v)
Range of θ Values

Clayton max
([

u−θ + v−θ − 1
−1/θ

]
, 0
)

(0,+∞)

Frank − 1
θ ln

(
1 + (e−θu−1)(e−θv−1)

e−θ−1

)
(−∞, 0) ∩ (0,+∞)
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Table 1. Cont.

Copula
Expression of Distribution Function

C(u,v)
Range of θ Values

Gumbel exp
(
−
[
(−ln u)θ +−ln vθ

]1/θ
)

(1,+∞)

t ∫ t−1
k (u)

−∞
∫ t−1

k (v)
−∞

1
2π

√
1−θ2 exp

[
1 + s2−2θst+t2

k(1−θ2)

]− k+2
2 dsdt (−1, 1), k 	= 0

Gaussian ∫
∅

−1(u)
−∞

∫
∅

−1(v)
−∞

1
2π

√
1−θ2 exp

[
1 + s2−2θst+t2

k(1−θ2)

]− k+2
2 dsdt (−1, 1), k 	= 0

The copula family linkage function was used to reconstruct the dependence structure
of the bivariate. To more accurately describe the dependence structure of the bivariate,
the best-fitting distribution function was then selected from the five mentioned above for
further analysis. The goodness-of-fit test is based on the minimized squared Euclidean
distance (SED) and is described as follows:

SED = (CUV/C)2

where CUV is the empirical value of the individual binary copula function fit and C is the
theoretical value.

(3) Bayesian formula modeling conditional probabilities
Bayesian formulas are causal imputations related to a priori probabilities and phenom-

enal probabilities (observed objective probabilities) and are a deformation of conditional
probabilities. The descriptive formula is:

P(A|B) = P(A)P(B|A)

P(B)
=

P(AB)
P(B)

, P(B) 	= 0

where P(B) is the probability of the occurrence of event B (a priori probability); P(AB) is
derived from step 2 and represents the probability of simultaneous occurrence of event
A and event B. By simple reasoning, we know that to determine the conditional prob-
ability of the occurrence of loss of ecosystem GPP under drought stress conditions, we
need to calculate the probability of the occurrence of drought and the probability of the
co-occurrence of increased drought and decreased productivity, where P(AB) can be inter-
preted as the compound probability of the simultaneous occurrence of drought and loss of
vegetation productivity.

P(A|B) represents the probability of event A occurring if event B is known to occur
(conditional probability); in other words, P(−GPP > 90%|VPD > 90%) can be interpreted
as the probability of occurrence of −GPP above 90% when VPD is above 90%. The specific
formula is described as follows:

P(−GPP > 90%|VPD > 90%) =
1 − P(−GPP > 90%)− P(VPD > 90%) + C(−GPP > 90%, VPD > 90%)

1 − P(VPD > 90%)

Note that it takes a threshold above a certain value of atmospheric VPD to initiate a
decline in ecosystem GPP, so we used −GPP to calculate the conditional probability in the
bivariate relationship. Here, the conditional probability of P(−GPP > 90%|VPD > 90%) is
identical to that of P(GPP < 10%|VPD > 90%). Therefore, above equation can be interpreted
as the conditional probability of an event occurring with a GPP below 10% in the case of
VPD above 90%. It is expressed as follows:

P(GPP < 10%|VPD > 90%) =
1 − P(GPP < 10%)− P(VPD > 90%) + C(GPP < 10%, VPD > 90%)

1 − P(VPD > 90%)

We used percentages to define the degree of atmospheric drought and the degree of
ecosystem GPP deficit, defining all samples with VPD values above 90%, 70%, and 50% as
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severe, moderate, and mild atmospheric drought and all samples with GPP values below
10%, 30%, and 50% as severe, moderate, and mild vegetation deficit.

Unlike atmospheric drought, a soil drought event can only be recognized as occurring
when soil moisture falls below a certain threshold. We focused on the joint probability of
extreme SM (below 10%, 30%, 50%) and GPP (below 10%, 30%, 50%). Thus, the conditional
probability of a decline in ecosystem GPP in the presence of an extreme soil drought event
can be derived by combining the Bayes’ equation described as:

P(GPP < 10%|SM < 10%) =
C(GPP < 10%, SM < 10%)

P(SM < 10%)

Similarly to atmospheric drought, we defined severe, moderate, and mild soil drought
for all samples with SM values below 10%, 30%, and 50%.

3. Results

3.1. Characteristics of Long-Term Changes in Chinese Grassland SM and Its Constraints on
Ecosystem GPP

Th long-term trend of soil moisture simulation in Chinese grasslands is not insignifi-
cant over the past 100 years. The annual SM in the historical period had an insignificant
soil-degenerating aridity trend, and future projections were largely constant (Figure 1a).
The warm-season SM showed a similar trend, but the moisture anomaly domain was signif-
icantly higher in the warm season than in the annual (Figure 1b). Compared to the trends,
the interannual variability of soil moisture in Chinese grasslands is highly significant, as
can be seen in periods such as 1930–1950 and 2050–2060 when soil moisture is significantly
higher. In conclusion, the long-term change of soil moisture is mainly controlled by its
interannual fluctuations. Therefore, the next analysis will focus on the regulation of the
interannual variability of soil moisture on ecosystem GPP.

Figure 2 shows that the interannual variability of SM and GPP is similar, i.e., years
with low SM correspond to low GPP, and the two are strongly positively correlated. The
correlations between SMIAV and GPPIAV are 0.171 and 0.477 for the whole year in the histor-
ical and future periods, respectively, and the fluctuation patterns of both are found to have
been basically consistent since 1950. The degree of correlation was significantly stronger
in the warm season than in the whole year, with correlations of 0.48 and 0.63 between
them year by year for the historical and future periods, respectively, and both passed the
significance level (p < 0.05) test. We concluded that soil moisture is an important factor that
strongly regulates ecosystem GPP, and when soil moisture is below a certain threshold, it
significantly constrains the accumulation of ecosystem GPP, because an insufficient soil
moisture supply significantly forces a decrease in plant photosynthetic capacity, which in
turn leads to a decrease in ecosystem GPP. Moreover, this effect more strongly restricts
plant growth during the growing season.

Next, the correlations of SMIAV and GPPIAV were calculated using a sliding window of
41 years for the whole year and warm season from 1901 to 2099 (Figure 3). The bivariate
correlations were found to be consistently positive in most periods and regions of Chinese
grasslands, and the correlation values were higher for the warm season than for the whole year.
The correlations between SMIAV and GPPIAV in Mongolia, the Loess Plateau, and Xinjiang
all exceeded 0.4 and passed the significance test, while the correlation in the Tibetan Plateau
grasslands gradually increased to 0.2 from year to year. This reflects that the regulation of GPP
by soil moisture is always positive, i.e., it suppresses plant growth in water-scarce years and
promotes it in water-abundant years. In comparison, the positive correlations in the warm
season are higher in all regions and stages than in the whole year, and the correlations in
Chinese grasslands are always around 0.4 throughout the year, while the correlations in the
warm season have been over 0.5 since 1970. In the Xinjiang and Loess Plateau regions in
particular, the correlations of the warm-season bivariate exceeded 0.6. This indicated that
the regulation of GPP by soil moisture is higher in the warm season than in the whole year;
in other words, the warm-season soil moisture deficit can trigger more serious ecosystem
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GPP loss events in most cases. Given that our study discusses the effect of soil moisture
constraint events on ecosystem GPP, the choice of warm-season bivariate better reflects
the limiting effect of extreme moisture constraints on carbon uptake in grasslands, and,
therefore, the SM and GPP in the warm season were chosen for further analysis.

Figure 1. Long-term variation in soil moisture anomalies based on process-model simulations.
(a) Annual SM; (b) warm-season SM. SM anomalies are relative to the distance to the mean during
2006–2015. The shaded line is the doubled standard deviation between the four models. The warm
seasons mentioned are the three months with the largest annual mean temperatures in 1901–2005.

Figure 2. Standardized interannual variability characteristics of soil moisture (SMIAV) and gross
primary productivity (GPPIAV) in Chinese grasslands. The upper side shows the annual time series,
and the lower side shows the warm-season time series. (a) historical period; (b) future period;
(c) correlation between SMIAV and GPPIAV per year, * represents passing 0.1 significance test, and
** represents passing 0.05 significance test.
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Figure 3. Correlation between GPPIAV and SMIAV for Chinese grasslands during the period 1901–2099.
(a1,b1,c1,d1,e1) is annual, and (a2,b2,c2,d2,e2) is the warm season. The correlation between SMIAV

and GPPIAV per year in the warm season was calculated with a 41-year sliding window, i.e., by
calculating the correlation between the two variables from 1861–1901 as the result in 1901, and so
on, to find the correlation from 1901–2099. The red line in the figure shows the years in which the
correlations passed the significance test (p < 0.05).

3.2. Comparison of the Regulation of GPP by Different Soil Layers

The impact on the GPP of the ecosystem varies across soil layers due to differences
in rainwater recharge and evapotranspiration at different depths. The warm-season SM
and GPP were correlated at the meta-scale to compare the bivariate structure between SM
and GPP at different soil depths (Figure 4). The bivariate correlations for shallow soils
(0–20 and 20–50 cm) were found to show significant interannual agreement, with highly
significant positive correlations in both historical and future periods. Deeper soils (100–200
and 200–300 cm) with higher possible difficulty in water use for plants, did not show a
significant consistent interannual correlation in the historical period, and the interannual
relationship between the two variables tended to be consistent in the future period. As
shown in Figure 4c, most of the pixel correlations between shallow-soil water and GPP
are greater than 0, implying a strong positive coupling between the two, with shallow-
soil water deficit significantly constraining the accumulation of GPP in the ecosystem. In
contrast, about half of the pixels of the deep-soil water are on both sides of the 0 value line,
showing very high uncertainty in the regulation of GPP. Overall, the correlation between
ecosystem GPP and the SM of different soil layers showed a higher correlation the closer
to the surface the soil layer was. Comparing different soil layers, it can be seen that soil
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moisture at different depths has an inconsistent regulating effect on ecosystem GPP, and
uncertainty has a non-negligible effect on GPP constraint.

Figure 4. Correlation between warm-season SM and GPP for different soil depths. The upper column
is the historical period and the lower column is the future period. (a1,a2) Scatter plots of SM and GPP
per year. Red, green, blue, cyan, and pink represent soil moisture at 0–20 cm, 20–50 cm, 50–100 mm,
100–200 mm, and 200–300 mm soil depths, respectively; (b1,b2) correlation between SM and GPP
regional averages; (c1,c2) probability density plot of correlation between SM and GPP.

Figure 5 shows the spatial distribution of the probability of different degrees of ecosys-
tem GPP loss under the precondition of extreme drought in soils with different soil moisture
levels, and found that the probabilities show great differences between different soil levels.
The probability of severe GPP loss induced by drought events at the 0–20 cm soil depth
was as high as 32.49%, decreasing to 27.64%, 16.79%, 16.43%, 16.43%, and 12.61% with the
increase in soil depth. We found that after drought in shallow soils, the ecosystem GPP
tended to be severely deficient due to water limitations, while the probability of drought-
induced vegetation deficit in deep soils was lower. In addition, we also emphasized that
the probability of severe shallow-soil drought induced moderate and mild ecosystem GPP
loss, while the ecosystem GPP was significantly higher than that of deep-soil drought.

The locations of the spatial distribution of ecosystem GPP loss probabilities for severe,
moderate, and mild were basically the same, indicating that soil drought events of different
soil depths had weaker effects on the changes in probability at different locations. The
spatial heterogeneity of ecosystem GPP loss induced by shallow-soil drought events was
stronger. Xinjiang and the Loess Plateau are the most susceptible grasslands to soil drought,
followed by Inner Mongolia grasslands and Tibetan Plateau grasslands being the least
affected. The probabilities associated with deep-soil drought were more uniform and
consistent in space, with less variation among regions (Figure 5(a6)).
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Figure 5. Conditional probabilities of ecosystem GPP loss under severe soil drought conditions
(i.e., probability when soil moisture is below 10% threshold in the 1901–2005 time series) at different
soil depths of Chinese grasslands during the historical period. (a1–a6,b1–b6,c1–c6) The probability
of severe ecosystem GPP loss under severe soil drought conditions; 1–6 represent the soil depths
of 0–300 mm, 0–20 mm, 20–50 mm, 50–100 mm, 100–200 mm, and 200–300 mm, respectively. The
regional average trend values are counted as box plots in the lower left corner. NM, LP, QT, and
XJ represent grasslands in Inner Mongolia, the Loess Plateau, the Tibetan Plateau, and Xinjiang,
respectively, and red dots represent anomalies. The histogram is the frequency statistics.

3.3. Comparison of the Probability of High-VPD and Low-SM Events Leading to Ecosystem GPP Deficits

The difference was obtained by subtracting the probability of GPP decline due to soil
drought from the probability of GPP decline due to atmospheric drought, which can be used
to compare the primary and secondary effects of soil drought and atmospheric drought on
the constraint of ecosystem GPP. A positive value represents a stronger constraint of soil
drought on GPP, while a negative value represents a stronger constraint of atmospheric
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drought. For the historical period, we found that soil drought in Chinese grasslands causes
a higher probability of ecosystem GPP loss than atmospheric drought, but the results
vary widely with different threshold settings (Figure 6). The difference between the two
was relatively large in the most severe drought scenario, with 8.16%, 10.41%, and 6.93%
differences for severe, moderate, and mild ecosystem GPP losses, respectively (Figure 6a–c).
The differences also showed different degrees of reduction with decreasing drought levels.
From the probability perspective, we concluded that the overall impact of soil drought
on Chinese grassland ecosystems is significantly higher than that of atmospheric drought,
and the probability of GPP deficit caused by soil drought is on average 1–10% higher than
atmospheric drought. However, the difference was found to be spatially heterogeneous,
with soil drought in Inner Mongolia, the Tibetan Plateau, and the Loess Plateau apparently
causing a higher probability of ecosystem GPP loss, which is the main constraint limiting
GPP accumulation. In contrast, the probability of atmospheric drought causing ecosystem
GPP deficit was higher in the grassland of the Tibetan Plateau, which represents a stronger
constraint of atmospheric drought on the GPP of the Tibetan Plateau.

For the future period, soil drought remains the main water constraint limiting the
accumulation of GPP in the ecosystem (Figure 7). However, compared to the historical pe-
riod, the spatial differences changed significantly. The difference in the Loess Plateau tends
to be negative from the positive value in the historical period, indicating that atmospheric
drought will become the most important moisture constraint in the future. Inner Mongolia
and Xinjiang, although still positive, have decreased compared with the historical period,
indicating that the moisture constraint from the atmosphere has increased and the soil
moisture constraint has weakened. The Tibetan Plateau is very unique, and soil drought
will become the main constraint on GPP accumulation in the Tibetan Plateau ecosystem in
the future, and its probability difference is more than 10%.

 

Figure 6. Difference between the probability of ecosystem GPP loss under soil drought conditions
minus the probability of ecosystem GPP loss in the atmospheric drought scenario for the historical
period. (a–c) The difference between the probability of severe, moderate, and mild ecosystem GPP
loss corresponding to severe soil drought and atmospheric drought; (d–f) the difference between
the probability of severe, moderate, and mild ecosystem GPP loss corresponding to moderate soil
drought and atmospheric drought; (g–i) the difference between the probability of severe, moderate,
and mild ecosystem GPP loss corresponding to mild soil drought and atmospheric drought; (g–i) the
difference in the probability of severe, moderate, and mild ecosystem GPP loss corresponding to mild
soil and atmospheric drought.
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Figure 7. Difference between the probability of ecosystem GPP loss under soil drought conditions
minus the probability of ecosystem GPP loss in the atmospheric drought scenario for the future
period. (a–c) The difference between the probability of severe, moderate, and mild ecosystem GPP
loss corresponding to severe soil drought and atmospheric drought; (d–f) the difference between
the probability of severe, moderate, and mild ecosystem GPP loss corresponding to moderate soil
drought and atmospheric drought; (g–i) the difference between the probability of severe, moderate,
and mild ecosystem GPP loss corresponding to mild soil drought and atmospheric drought; (g–i) the
difference in the probability of severe, moderate, and mild ecosystem GPP loss corresponding to mild
soil and atmospheric drought..

4. Discussion

4.1. Soil Moisture More Strongly Regulates Carbon Balance Than Atmospheric Indicators in
Chinese Grasslands

Terrestrial ecosystem models can obtain high-resolution long time series of soil mois-
ture products, bridging the gap between remote sensing and station observations [22]
and providing important information for exploring long-term soil drought evolution. We
confirmed that soil moisture deficit can severely weaken the accumulation of ecosystem
GPP and is an important aspect in regulating the interannual dynamics of GPP. Previous
studies have shown that CO2 growth rates are sensitive to observed changes in terrestrial
moisture, i.e., drought years are associated with rapid increases in atmospheric CO2 [7];
higher water availability promotes ecosystem productivity fixation, and water loss attenu-
ates it [28,29]. Our results are similar and showed that low SM corresponds to low GPP,
reflecting a reduced potential for ecosystem CO2 uptake in years with low soil water. Thus,
a lack of soil water supply would affect the division and expansion of individual plant cells
and greatly reduce the ability to obtain carbon from the atmosphere, which in turn would
result in a decrease in ecosystem GPP.

Considering that soil water content is closely related to precipitation, most of the
precipitation infiltrates into the soil, except for a small portion that evaporates and is
trapped by the canopy [30]. Most of the water available for plant uptake originates from
precipitation, which affects the photosynthetic capacity of plants and is mainly regulated by
the intra-annual distribution of precipitation and differences in precipitation intensity [31].
Changes in the intra-annual distribution of precipitation can lead to a mismatch between
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water availability and plant growth requirements [32]. For example, precipitation events
that occur during the germination period do not match actual water demand and supply. As
a result, much of the water is likely to be inefficient and ‘wasted’ in the evapotranspiration
process [33]. It has been suggested that increasing precipitation early in the growing
season can have a positive impact on semi-arid grassland productivity [34]. This may
be due to a number of factors, including the fact that the earlier the precipitation, the
higher the soil moisture, and the fact that more precipitation early in the growing season
promotes plant root growth. In contrast, more precipitation events later in the growing
season do not significantly improve photosynthetic capacity or carbon accumulation [35].
In addition, changes in the magnitude or intensity of precipitation events can alter the
vertical distribution of soil moisture, which is closely linked to the underground activity
of plants [36]. Small precipitation events tend to increase the shallow-soil water content
and stimulate shallow-rooted plant activity (photosynthesis and autotrophic respiration)
and soil microbial activity. Large precipitation events are more effective at replenishing
deep-soil water content, which may be more effective in triggering deep plant activity [37].

We keenly captured the extremely close coupling between Chinese grassland pro-
ductivity and soil moisture, with soil moisture surplus and deficit directly regulating the
direction of ecosystem carbon revenues and expenditures. Precipitation is the most direct
source of replenishment for soils [38], and precipitation surplus and deficit can be consid-
ered to regulate productivity in Chinese grasslands. However, given that soil moisture
is the main source of water directly available to plants, this study innovatively used soil
moisture as the main water constraint to analyze its relative influence on GPP.

4.2. Soil Moisture Is a Key Water Constraint Controlling the Grassland Productivity in China

Previous studies have found that soil drought is the dominant constraint on drought
stress in most ecosystems worldwide [16]. We have confirmed that soil drought is indeed the
main water constraint threatening GPP in Chinese grassland ecosystems from a probabilistic
perspective. However, we noted that the probability difference between soil drought and
atmospheric drought causing an ecosystem GPP deficit gradually decreases or reverses
to a negative value in most regions in the future. This represents a clear increase in the
extent to which atmospheric drought will affect ecosystems in the future and a decrease
in the importance of soil drought in dominating vegetation deficits. This is likely due
to the fact that atmospheric VPD has increased rapidly over the past century and will
remain the growing trend in the future (Supplementary Figure S1), while soil moisture
trends have remained stable over time (Figure 1). Continued atmospheric constraints force
ecosystems to adapt to water stress by closing stomata or stopping plant growth due to
the inability to coordinate water–carbon fluxes [39]. We found that the future scenario
for the Tibetan Plateau is one in which the temperature limitation of alpine ecosystems is
lifted by rising temperatures, possibly due to increased atmospheric pressure that promotes
vegetation growth rather than inhibiting it, thus causing soil drought to remain the main
moisture constraint limiting GPP accumulation in the Tibetan Plateau in the future. It is
important that identifying the primary and secondary moisture constraints from the soil
and atmosphere remains a challenge [40], and a probabilistic perspective provides only
a possibility rather than a definitive conclusion. In the future, there is a need for further
clarification of this long-standing and complex issue to open up new avenues for improved
modeling and better management of drought risk.

However, the interannual regulation of ecosystem GPP was significantly different for
soil moisture at different soil depths. We found that shallow-soil water (0–50 cm) was the
dominant soil layer regulating interannual variability in GPP, probably because the most
accessible water to grassland plants comes from shallow soils and is the direct source [41].
In water-scarce weather, most plants preferentially draw water from the soil [12], and
roots easily take up residual water from shallow soils in a variety of ways, including
mass flow, diffusion, and interception [42]. Only when shallow-soil water is exhausted
can deep-rooted plants draw water from deeper soils [43]. We also confirmed that the
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probability of ecosystem GPP loss induced by water deficit in shallow soils is much higher
than that of deep-soil water, representing a greater dependence on shallow-soil water for
plant growth, and that negative anomalies in shallow-soil water can cause substantial
ecosystem carbon loss.

The innovation of our study is to not only point out that soil drought outweighs
atmospheric drought as the key to the restriction of ecosystem GPP but also that shallow-
soil water is critical to controlling ecosystem GPP. This addresses the fact that previous
studies have only detailed the effects of soil drought on ecosystems in general, without
distinguishing the relative contribution of soil moisture at different soil depths [16,44],
which also provides precedent for future validation on a global scale.

5. Conclusions

We used simulation results from a terrestrial ecosystem model to analyze the moderat-
ing effect of soil drought on GPP changes in Chinese grasslands to explore the conditional
probability of ecosystem GPP loss due to soil drought and to analyze the dominance of
terrestrial–atmosphere moisture constraints on ecosystem GPP. The main conclusions are
as follows:

(1) No significant trends were found for soil moisture in the historical or future periods,
and its long-term change was mainly reflected through interannual fluctuations. Soil
moisture showed a highly significant positive correlation with ecosystem GPP in
the time series, indicating that when soil water decreases, it causes a decrease in
ecosystem GPP. Moreover, the correlation between SM and GPP was higher in the
warm season than annually, and higher in the future period than in the historical
period, representing a stronger constraint on GPP in Chinese grasslands in the warm
season and a deeper constraint in the future period than in the historical period.

(2) Using the LPJmL model’s soil moisture data at different soil depths and analyzing
their relationship with ecosystem GPP, it was found that the correlation between
shallow-soil moisture (0–50 cm) and GPP was clearly higher than that of deeper soils,
and the probability of an ecosystem GPP deficit due to a shortage of soil water in the
shallow layer was much higher than that of soil water in the middle and deep layers.

(3) In probabilistic terms, soil drought has a higher probability of initiating the loss
of ecosystem GPP than atmospheric drought, with moisture scarcity originating
from the soil becoming the main aspect that constrains ecosystem GPP. In the future,
with the rapid rise of global VPD, the probability of ecosystem GPP loss induced
by atmospheric drought increases and overtakes soil drought as the main water
constraint in some regions.
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Abstract: There is an urgent global need for the ecological intensification of agricultural systems
to reduce negative impacts on the environment while meeting the rising demand for agricultural
products. Enriching grasslands with floral species is a tool to promote diversity and the associated
services at higher trophic levels, and ultimately, to enhance the agricultural landscape matrix. Here,
we studied an organic pastures-based dairy production system with plant species enhanced grass–
clover pastures with respect to the effect on the activity density, functional traits, carabid assemblages,
and species richness of carabid beetles. To understand the effect of land management on carabid
beetles, we studied two types of grass–clover pastures with low and relatively high plant diversities
in an integrated crop–livestock rotational grazing system (ICLS). As a comparison, organic permanent
grasslands and conventionally managed maize were studied. We installed pitfall traps for three
weeks in early summer, and for two weeks in autumn. In total, 11,347 carabid beetles of 66 species
were caught. Grass–clover pastures did not differ in activity density, functional traits, habitat guilds,
or species richness, but conventional maize did show a higher activity density in autumn and
a higher proportion of eurytopic species and mobile species compared to grass–clover pastures.
On grass–clover pastures, we found more endangered species, Carabus beetles, and a distinct carabid
assemblage compared to maize. However, we attribute the lack of an effect of increased plant
diversity of the grass–clover pastures on carabid species richness and functional traits to the intensive
grazing regime, which resulted in the compositional and structural homogeneity of vegetation.
Still, the presence of specialized and endangered species indicated the potential for organically
managed grass–clover pastures to promote dispersal through an otherwise depleted and fragmented
agricultural landscape. By increasing crop diversity in ICLS, more resources for foraging and nesting
are created; therefore, organically managed grass–clover pastures add to the multi-functionality of
agricultural landscapes.

Keywords: multi-species mixtures; agrobiodiversity; multifunctionality; carabid beetles; Carabidae;
ecological intensification; grazing; dairy systems; ley grassland

1. Introduction

The rising demand of food worldwide has led to intensified land use, and the spatial
and temporal homogenization of agricultural landscapes [1]. As a consequence of the
associated habitat fragmentation and resource degradation, insect abundance and species
richness is in decline [2,3]. In order to restore resource availability and diversity, and thereby
biodiversity in agroecosystems, the (re)introduction of flowering plants [4,5], grazing
cattle [6,7], and organic production systems [8–10] are discussed as potential measures to
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enhance land management. Here, we tested if plant species-enriched grass–clover pastures
in organic dairy production can promote carabid beetle activity density, species richness,
carabid assemblage, and functional traits.

Dairy systems range from intensive confinement systems to full-grazing systems,
which vary, not only in access to pastures by cattle, but also in fertilizer input and the
addition of supplementary food for the cattle [11]. Conventional confinement systems can
operate without grazing, and incorporate intensively used grasslands and maize crops for
fodder. As a result, monocultures of maize, for example, dominate in these systems until
now. In contrast, ley systems include temporary grassland in a crop rotation and thereby
enhance crop diversity. Ley systems support ecological intensification [11] by improving
soil structure and health [12], N-cycling [13], and weed abundance [14]. Further, the type
of production system and management strongly affects the species richness of many taxa,
among them, insects such as bees [15] or carabids [16–18].

Carabid beetles are predators of soil insect pests and weed seeds; therefore, they
provide biological control as a key ecosystem service in agroecosystems [19]. In addition,
carabid beetles are themselves a food resource for higher trophic levels such as birds,
and are an essential link in food webs [20,21]. Carabids respond to habitat changes with
shifts in their community structure [22,23]. The composition of carabid beetles has been
shown to shift towards medium-sized herbivorous species such as Harpalus affinis once
arable land is converted to flowering fields, whereas small carnivorous species, such as
Bembidion, decrease [22]. Herbivorous carabids also increased in organic winter spelt [24]
and under organic management in wheat and meadows [25]. The management type may
also affect mobility-related traits in carabids. Thus, intensively managed and disturbed
habitats, such as maize fields, and intensively managed grasslands are often colonized by
high-mobile species that are able to fly [17,26], while less mobile flightless species may be
better supported by extensive, less disturbed land-use systems [26,27]. Due to these system-
or management-type specific assemblages of carabid beetles, increased heterogeneity in
agro-ecosystems has been shown to positively affect carabid richness [28,29].

Ley systems can increase carabid beetle species richness in comparison to cereal fields
and pastures [30], although crop diversity in the landscape might be a precondition for the
size of this effect [29]. Adding ley grasslands into arable crop rotations is one option to
increase the heterogeneity of land-use types compared to specialized systems. To enhance
the effect of crop diversification with ley systems, a rotational grazing system with cattle will
increase environmental heterogeneity via selective grazing, trampling, and the release of
dung [31,32]. While some studies found no effect of grazing on carabid beetle species [20,33]
or trait diversity [17], others have shown beneficial effects of low (0.2 LSU/ha/year) grazing
intensities [18,34,35]. While plant species richness was greater where grazing occurred, no
effect of plant species richness was found in carabid assemblage [18], abundance, biomass,
or species richness [20]. Plant community type within the semi-natural grasslands, however,
was an effective predictor of carabid assemblage [36].

Here, we tested whether, in addition to climate- [37,38], water- [39], and other biodiversity-
related [15] benefits, species-enriched grass–clover pastures enhance carabid beetle species
richness in an organic ley farming system. We measured carabid beetle activity density,
species richness, assemblage composition, and functional traits in (a) conventionally man-
aged maize (CM), (b) organic grass–clover pastures (GC) with grazed and ungrazed man-
agement, (c) organic grass–clover pastures with herbs (GCH) with grazed and ungrazed
management, and (d) organically managed permanent grassland (PG). We hypothesized
that (i) GC and GCH support higher carabid beetle species richness, activity, and functional
traits; (ii) they show a different carabid assemblage than CM or PG; (iii) higher plant
species richness sown in GCH increases carabid beetle activity, and species richness and
functional trait diversity; and (iv) ungrazed strips of GC and GCH support less mobile,
flightless carabid beetles than the grazed pastures. We do, however, expect (v) higher
carabid abundance and species richness on ungrazed strips as a result of increased plant
species richness [15] compared to grazed pastures.
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2. Materials and Methods

2.1. Study Region and Design

The study took place on the Lindhof experimental farm of Kiel University, Germany
(54◦27′ N; 9◦57′ E) between 6 May and 16 September 2019. The mean annual temperature
in the study area is 10.24 ◦C, and the mean annual precipitation is 745 mm. A crop
rotation system has been in place since 2015, where in spring, grass–clover was sown
and was used as pasture for 2–3 years, followed by successive annual cultures of oat
(Avena sativa), potato, and winter wheat. In winter wheat, grass–clover is re-established to
start the rotation. The organic grass–clover swards were sown in two mixtures: the binary
grass–clover mixture (GC, n = 3) containing perennial ryegrass Lolium perenne and white
clover Trifolium repens, and the grass–clover mixture with herbs (GCH, n = 3) containing
perennial ryegrass L. perenne, white clover T. repens, red clover Trifolium pratense, birdsfoot
trefoil Lotus corniculatus, chicory Cichorium intybus, plantain Plantago lanceolata, caraway
Carum carvi, and sheep’s burnet Sanguisorba minor. We assume that grass–clover pastures
displayed a higher plant species richness, based on the initial seed mixture. The organic
grass–clover pastures were rotationally stocked with Jersey cattle from April to September
every 3–4 weeks for 1–3 days, with a stocking rate of 2.0 livestock units per hectare. The
grass–clover fields were present in their first, second, and third years of usage. Because
no replicates for the year of usage were present within mixtures, year was omitted as
a factor in our study design, and the three sites per mixture were considered a random
sample for this land-use type. To investigate the full potential of grass–clover swards
without grazing, an area of 0.042 ha was excluded from grazing for each pasture. These
ungrazed grass–clover strips (n = 3 for each of the two mixtures) were cut once on 20
August 2019. As an alternative to ley-pastures in dairy production, this study included
organic permanent grasslands (PG, n = 3) at the Lindhof, with one cut per year and a less
intense stocking rate of 1.2 livestock units per hectare, which are 20 years in age. In addition,
conventional maize (CM) for fodder production for cattle in confinement systems was
included in the study. CM (n = 3) of conventional farms in spatial proximity to the Lindhof
were investigated. CM was fertilized with cow slurry at 40 m3/ha, Yara Mila NP 20/20
1.5 dt/ha, 40er potassium 1.5 dt/ha during seed drill, nitrogen 180 kg/ha, phosphorus
30 kg/ha, and potassium 170 kg/ha, and treated with herbicides (MaisTer Powder 0.9 L/ha,
Aspect 0.9 L/ha). Harvest took place at the end of September.

2.2. Carabid Beetle Sampling

The grass–clover pastures (GC and GCH) were present in their first, second, and third
years of production, totaling three sites per mixture. We installed three traps (triple) at
three locations (nine traps in total) on each of the sites. The triples had a minimum distance
of 350 m to each other, and the pitfall traps within the triple had a distance of 15 m to
each other. On the ungrazed strips of the grass–clover pastures, three pitfall traps were
installed. On PG and CM, we installed three pitfall traps per site. The pitfall traps were
clear cups with a diameter of 10 cm and a volume of 500 mL [40], and they were filled with
50 mL of vinegar solution and a drop of unscented detergent. We used vinegar instead of
ethylene glycol, as the study sites were frequently grazed and we wanted to prevent harm
to the cattle. A wire mesh with a mesh size of 31 × 31 mm in the upper part of the traps
prevented vertebrates from falling into the traps [40]. The traps were emptied once a week
for three weeks beginning in May (6 May–9 July 2019), and for two weeks in September
(30 August–17 September 2019). Species determination was performed [41] and supervised
by an expert in the field. Carabid beetles were stored in ethanol at Kiel University. We
identified endangered species according to the red list of Schleswig Holstein [42]. Habitat
guilds were defined according to the catalogue supplied by “Gesellschaft für Angewandte
Carabidologie” [43]. For our analyses, we selected eurytopic beetles, open-habitat beetles,
and agrotopic beetles as the most typical for the studied habitat types. Eurytopic beetles
occur across multiple habitat types including shaded areas, whereas open-habitat beetles
occur in multiple habitat types without shading. Agrotopic beetles occur on croplands,
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grasslands, pastures, and ruderal sites. Trophic guilds and mobility were determined
according to www.carabids.org (accessed on 15 March 2023) [44]. For estimating species-
specific biomass, approximately 10 individuals of each species were dried (50 ◦C for 48 h)
and weighed, and the individuals’ mean weights were calculated.

2.3. Statistical Analysis

First, we performed nonmetric multidimensional scaling (NMDS) and an indicator
species analysis with PcOrd Version 5. For the ordination, an NMDS was conducted with
the Sørensen-distance measure. We fit variables that determined carabid assembly to the
NMDS using the biplot function in PcOrd. Differences between the final ordination plot
scores comparing the treatments (GC, GCH, CM, and PG) and managements (grazed and
ungrazed) were analyzed with a multi-response permutation procedure (MRPP) using
Euclidean distance [45]. We chose indicator species with a significant p-value (<0.05) and an
indicator value > 25 [46]. We analyzed the effect of GC and GCH, and management (grazed
and ungrazed) to the carabid beetle activity density, biomass, Chao diversity index, activity
density, and species richness of different habitat guilds (eurytopic, open-habitat, and
agrotopic species) and functional guilds (herbivorous/carnivorous and flying/flightless
species) with a linear mixed-effect model [47]. As our study design was not orthogonal,
we created a pseudo factor [48], that combined the factors mixture and management. As
random factors, we chose a combination of site and year, the triple (three traps installed
in 15 m distance) nested in site, the trap nested in triple, and the season nested in trap.
Based on the residuals graph (Figure A1), we assumed the residuals to be approximately
normally distributed and to be heteroscedastic. Based on these models, the pseudo R2 was
calculated [49]. After an ANOVA, multiple contrast tests [50,51] were performed to compare
the effects of mixture and management. We did pairwise comparisons of GC and GCH, and
compared each mixture with CM and PG. Further, the grazed and ungrazed management
of both mixtures were compared with one another. All analyses were performed in R,
version 4.1.2. [52].

3. Results

In total, 11,347 carabid beetle individuals representing 66 species of 28 genera were
caught. The five most abundant species accounted for 62.7% of individuals: Bembidion lampros
(25.2%), Nebria brevicollis (16%), Pterostichus melanarius (7.8%), Agonum muelleri (7.3%), and
Bembidion tetracolum (6.4%), full species list in Tables 1 and A1). In early summer, we
caught 9561 carabid beetle individuals of 65 species groups in the three-week sampling
period (3.5 individuals per trap per day), and in autumn, 1786 individuals of 35 species
groups were caught in the two-week sampling period (1.6 individuals per trap per day).
Common habitat generalist species dominated in all of our treatments, but of the 66 species
that we captured in total, we found seven threatened species according to the red list in
Schleswig-Holstein (Table 1).
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Grass–clover (GC) and grass–clover herbs (GCH) contained all seven threatened
species, while with Amara eurynota, only one threatened species was found in convention-
ally managed maize (CM) (Table 1). Furthermore, GC and GCH promoted species typical
for oligotrophic grasslands/heathland; these were not found on CM. All of the indicator
species for CM were either eurytopic or open-habitat species (Bembidion quadrimaculatum,
Trechus quadristriatus, Bembidion tetracolum, Clivina fossor, Pterostichus melanarius, and
Nebria salina) while indicator species for GC and GCH were agrotopic or swampland
species (Acupalpus meridianus, Notiophilus substriatus, and Pterostichus nigrita, Table 1 and
Tables A1 and A2. All species found in CM were present on GC and GCH, except for
Abax parallelepipedus (Table 1). Yet, the NMDS for early summer showed a distinct species
composition of CM compared to GC and GCH, with no overlap. There are correlations
with flying species, activity density, endangered species, and species richness. According
to the NMDS, activity density was a strong predictor for CM, whereas GC and GCH were
predicted by endangered species and flightless beetles. The final NMDS for the data in early
summer had three dimensions, with a stress value of 14.116. The explanatory power was
highest for the second (24.3%) and third (42.9%) axis compared to the first axis (19.7%). All
of the grass–clover plots showed a larger overlap, indicating similar species composition
(Figure 1). The NMDS revealed a distinction between grazed and ungrazed plots of GC and
GCH in autumn, but a larger overlap of the grazed pastures and the CM fields compared to
the NMDS in summer (Figure 2). The MRPP results verified this pattern, as it showed sig-
nificant differences between GC and CM (p < 0.001), and GCH and CM (p < 0.001, Table 2).
The final ordination for autumn had two dimensions, with an explanatory value of 32.1%
for the first axis, 28.6% explanatory power of the second axis, and a stress value of 31.156.
Similar to the results of the NMDS in summer, the activity density was a strong predictor
of the CM fields. According to the MRPP, there were significant differences comparing GC
to CM (p < 0.001) and PG (p < 0.001), as well as GCH to CM (p < 0.001) and PG (p = 0.003).
We also found significant differences comparing the management; the grazed pastures of
GCH were significantly different from the ungrazed stripes of GCH (p < 0.001, Table 3).

Table 2. Results of the multi-response permutation procedure (MRPP) for carabid assemblages in
early summer. T is the test statistic calculating the difference between observed and expected delta,
while A is the chance-corrected within-group agreement.

T A p-Value

GC–GCH 0.018 −0.0001 0.375
GC–CM −11.372 0.127 <0.001
GC–PG −2.494 0.031 0.029
GCH–CM −8.711 0.097 <0.001
GCH–PG −1.826 0.022 0.059
GC grazed–GC ungrazed −0.094 0.001 0.344
GCH grazed–GCH ungrazed −0.846 0.001 0.160

Table 3. Results of the multi-response permutation procedure (MRPP) for carabid assemblage in fall,
revealing significant differences comparing the grass–clover pastures GC and GCH to CM and PG.
T is the test statistic calculating the difference between observed and expected delta, while A is the
chance-corrected within-group agreement.

T A p-Value

GC–GCH −0.946 0.007 0.155
GC–CM −8.941 0.133 <0.001
GC–PG −7.746 0.085 <0.001
CM–GCH −6.201 0.094 <0.001
PG–GCH −4.054 0.049 0.003
GC grazed–GC ungrazed −3.364 0.032 0.011
GCH grazed–GCH ungrazed −5.365 0.067 <0.001
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Figure 1. Non-metric multidimensional scaling (NMDS) of carabid assemblages in the different
land-use systems (conventional maize CM, organic grass–clover GC, organic grass–clover herbs GCH,
organic permanent grasslands PG) and management types (grazed gr., ungrazed ungr.) in early
summer. We found correlations with beetle activity density, species richness, endangered species,
and flightless species. Carabid assemblages of grass–clover pastures, irrespective of mixture and
management, were distinct from the assemblages of CM.

There was no difference in the activity densities of the carabid beetles comparing
CM to GC and GCH, in May and June. In CM, the overall activity density was, however,
significantly higher (p < 0.05) compared to GC in autumn (Figure 3, Table A4). CM
also showed a significantly higher activity density of eurytopic species compared to GC
(p < 0.05) and GCH (p < 0.05, Table A5) in autumn, whereas in early summer, GCH showed
a higher activity of open-habitat beetles compared to CM (p < 0.05, Figure 4, Table A6). Yet,
CM showed a significantly higher species richness of open-habitat species compared to GC
(early summer p < 0.05, autumn p < 0.05) and to GCH (early summer p < 0.05, Table A7).
None of the treatments differed in activity density and species richness of agrotopic species
(Tables A8 and A9), or in the species richness of eurytopic beetles (Table A10). On organic
permanent grassland (PG), significantly more herbivorous beetles were found compared
to GC (p < 0.05, Table A11), and on PG, significantly more flightless beetle species were
present compared to GC (p < 0.05) and GCH (p < 0.05) in autumn (Figure 5, Table A12). In
CM, we found a significantly higher activity density of flying carabid beetles compared
to GC (p < 0.05) and GCH (p < 0.05, Table A13). Comparing GC and GCH, we did not
find significant differences in activity density, carabid beetle biomass, habitat preferences,
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Chao diversity index, the activity density of endangered carabids, or feeding behavior
(herbivorous and carnivorous species, Tables A14–A17.

Figure 2. Non-metric multidimensional scaling (NMDS) of carabid beetle assemblages in the different
land-use types (conventional maize CM, organic grass–clover GC, organic grass–clover herbs GCH,
organic permanent grasslands PG) and management types (grazed gr., ungrazed ungr.) in autumn.
We found correlations with activity density and agrotopic beetle activity density. Compared to the
NMDS in early summer, there was less distinction between the carabid assemblages of CM and
grass–clover pastures.

Figure 3. Beetle activity density of organic grass–clover (GC) and organic grass–clover herbs (GCH)
in comparison to conventional maize (CM) and organic permanent grasslands (PG) in early summer
and in autumn. p-values are indicated as * p < 0.05.
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Figure 4. Beetle activity densities of eurytopic and open-habitat beetles, and species richness of open-
habitat beetles of organic grass–clover (GC) and organic grass–clover herbs (GCH) in comparison to
conventional maize (CM) and organic permanent grasslands (PG) in early summer and in autumn.
p-values are indicated as * p < 0.05.

306



Land 2023, 12, 736

 

 

Figure 5. Trait-specific activity densities of herbivorous carabid beetles, and carabid beetles with
a high mobility or low mobility of organic grass–clover (GC) and organic grass–clover herbs (GCH),
in comparison to conventional maize (CM) and organic permanent grasslands (PG), in early summer
and in autumn. p-values are indicated as * p < 0.05.

On the grazed pastures of GCH, significantly more eurytopic species were observed,
compared to the ungrazed strips of GCH in autumn (p < 0.05, Figure 6, Table A18). We
found no significant differences between grazed and ungrazed management in carabid
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beetle activity density, biomass, habitat guilds, endangered species, Chao diversity index,
or functional traits (Tables A19–A31).

Figure 6. Eurytopic beetle activity densities of the different managements (grazed and ungrazed)
and mixtures (grass–clover GC and grass–clover herbs GCH) in early summer and autumn. p-values
are indicated as * p < 0.05.

4. Discussion

As part of studying the eco-efficiency of pasture-based milk production [37,39,53], we
found organic grass–clover pastures to support more endangered carabid beetle species,
and a seasonally distinct species composition on both grass–clover pastures in early summer
compared to conventional maize (CM). CM fields offered a suitable habitat for eurytopic
species and species with high mobility, especially in autumn, when vegetation cover was
high. In maize, however, only one endangered species was found. Open-habitat species
showed highest richness in CM, and some species were identified indicators of this habitat
type, while their activity density was highest in grass–clover (GC) and grass–clover herbs
(GCH) in early summer. While these results for open-habitat beetles are equivocal, the
NMDS did show a distinct carabid assemblage in GC and GCH compared to CM, especially
in early summer.

Although statistical analysis did not show a significantly higher activity density of
endangered carabid beetles in GC and GCH, GC supported several endangered carabid
beetle species in contrast to CM, with many frequently abundant eurytopic species [54].
Among the endangered species in GC and GCH, Carabus auratus is considered to be an
indicator for organic agriculture. In Schleswig-Holstein, the species has almost exclusively
been found in organic farms, and was shown to exponentially colonize organic crops
after its conversion from conventional to organic management [55]. Carabus beetles in
general, because of their low mobility, prefer stable vegetation structures and extensive
grazing [18,26], explaining their generally higher activity density in the organic GC and
GCH in this study. The CM fields are a less stable habitat, as vegetation cover is only
present for a limited amount of time and they were harvested in late autumn, whereas
GC and GCH were present for three subsequent years. Similarly, the carnivorous species
Poecilus lepidus shows a low dispersal ability, and as an stenoecious xerophilic open-habitat
species, it may thus prefer GC and GCH over meadows or maize. In contrast to Carabus,
the two endangered species, Harpalus griseus and Harpalus calceatus, are herbivorous, feed-
ing on plant seeds. With a sown grass–clover mixture of a maximum of seven plant
species in GCH, including frequently utilized species such as Cichorium intybus [56] or
Plantago lanceolata [57], it is likely that the diversity and availability of seeds were higher
in GC and GCH than in CM fields [58]. Chlaenius nigricornis was most likely trapped on
grass–clover pastures while it was dispersing to reach other habitats, as the species prefers
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wet habitat conditions. This was likely also the case for Amara eurynota, which was found
on grass–clover fields and was the only endangered species found in CM as well.

GC and GCH showed the highest numbers of endangered species. No difference,
though, was found between GC and GCH with respect to carabid activity density or
species richness. This is in accordance with a previous study investigating a similar
plant species mixture, which found no effect of a high diversity seed mixture on carabid
beetle activity density, species richness, or biomass, compared to a low diversity seed
mixture [20]. The lack of an effect of plant species richness, which was generally highest in
the GCH in our study, may be due to the intensive grazing regime in these ley-grasslands.
As a result, not many plant species set flowers or established well, and so the plant
community was probably less heterogeneous than anticipated, a situation that was also
observed in other studies [32,59]. As the permanent grasslands (PG) in this study were not
rotationally stocked, the disturbance regime may actually have been lower than that of GC
and GCH, as indicated by a higher abundance of flightless beetles, which agrees with other
studies [26,27]. Even though GC and GCH were more permanent habitats than CM, their
management changes every few years with the crop rotation, and no increase in less mobile
species was found.

The effects of grazing on carabid beetles vary, as studies have shown that carabid abun-
dance is increased on grazed sites [20] and systems grazed by sheep [34], as well as showing
no effect of grazing to carabid abundance [20]. This may be attributed to differences in
the grazing intensity and the studies’ environmental contexts [60]. Most studies agree that
moderate grazing benefits carabid richness [18] and the activity density of herbivorous [60]
or less immobile (flightless) species [26], while heavy grazing reduces carabid richness [61],
possible as a result of a more open and permeable vegetation structures on pastures. In
our study, the high grazing intensity of 2.0 livestock units per hectare and per year most
likely prevented the general benefits to carabid beetle species richness. Benefits to carabid
richness have been previously observed at lower grazing intensities (0.2 LSU/ha/year).
Unexpectedly, in this regard, activity density, species richness, or functional traits were
similar in the ungrazed strips as compared to the pasture, despite a higher flower cover
that benefited bumblebees [15]. Possibly, the dense vegetation cover in ungrazed strips
restricted the movements of carabid species, many of which prefer bare ground due to
a higher permeability [25].

Higher permeability may also be the reason for the higher carabid beetle activity
density in CM in autumn. During our surveys in autumn, CM was still standing and
offering vegetation cover for carabid beetles, while bare ground was also present as rows
were separated by approximately 0.7 m. In addition to just bare ground, the higher
looseness of ploughed soil and favorable microclimatic conditions in CM can increase
beetle abundance [62], and soil temperature has possibly risen as a result of decreasing
leaf area index, which favors, e.g., Poecilus and Amara [63]. Particularly mobile carabid
beetles with a high colonization rate [17] potentially shifted from other habitats to maize
in autumn, when habitat conditions became favorable [64]. Despite this attractiveness of
maize to some carabid beetle species or during specific times of the year, several studies
suggest that the habitat quality of maize fields is low and therefore lacking in carabid
beetle species richness [65,66], and similar to our findings, this shows a low proportion of
endangered species [65]. In future experiments, carabid activity density could be measured
after harvest in autumn, as we suppose that the lack of vegetation cover might decrease
activity density, proving further that maize production is a less favorable dairy system in
comparison to crop–livestock systems, in terms of the promotion of carabid beetles.

The NMDS showed a shift in the carabid assemblage of GC and GCH compared to
maize; however, the analysis of the habitat guilds that could clarify the direction of this
shift was equivocal. The direction of this shift may have been unclear, because carabid
assemblages with distinct functional traits develop over long periods, suggesting that with
GC and GCH being present only for three subsequent years, this may not be long enough
to develop an even more distinct assemblage. Changes in guild structure were previously
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found only after 10 years of grazing [67]. Grass–clover pastures in this study did not in-
crease the species richness of carabid beetles or act as a key habitat structure. Implementing
a regime with moderate grazing intensity (e.g., 0.2–1.4 livestock units per hectare) in the
investigated system may be a suitable management for enhancing plant resource diversity,
and consequently, carabid beetles. Nonetheless, in comparison to conventional confinement
systems, integrated crop–livestock systems (ICLS) with crop rotation, rotational grazing,
and multi-species pastures such as GCH diversify the agricultural landscape matrix, pro-
mote endangered carabid species, and indicate a shifted carabid assemblage. Despite the
observed lack of a significant increase in carabid species richness in intensively grazed
ley-systems, the presence of more specialized and endangered species may indicate their
potential in promoting dispersal through fragmented landscapes. Further, crop diversity
increases in ICLS, and more edge habitats are created, which provide habitat niches for
nesting, foraging, and overwintering, and this has been shown to enhance carabid trait
diversity [24] and Shannon diversity in landscapes that are rich in semi-natural habitats [28].
Improving the matrix quality in agricultural landscapes is essential for allowing species
dispersal [68,69], which may be achieved with crop–livestock integrated grass–clover pas-
tures. To solely focus on nature conservation efforts for protected habitats bears the risk of
creating isolated habitat patches in an otherwise depleted landscape [69], which limits gene
flow in carabid beetles [70], and therefore the long-term resilience of carabid populations.
Therefore, ICLS with species enriched grass–clover pastures can help to support biodiver-
sity in agricultural production systems, and in addition, it may also buffer protected areas
from being isolated.

5. Conclusions

Reintroducing plant diversity and grazing in ICLS offers a new solution for dairy
production that joins agricultural production with benefits for biodiversity, greenhouse
gas emissions, and soil properties. Considering the large proportion of intensively used
grasslands occupied worldwide, enhancing their plant diversity may have large-scale
positive effects. An increased number of endangered species of carabid beetles, and
a compositional shift in their assemblages in the species-enriched grass–clover pastures as
compared to conventional maize indicates their potential for the promotion of heterogeneity
and biodiversity in agricultural landscapes. Yet, in order to express their full potential to
increase the species richness of carabid beetles, and particularly immobile and herbivorous
species, a moderately reduced grazing regime would benefit plant diversity and flower
cover, and thus, biodiversity in general. The less intense management regime may also
promote solitary wild bees, as our previous study on the same grass–clover pastures
found [15]. In addition to hosting more biodiversity itself, species-enriched grass–clover
pastures also enhance the quality of the agricultural matrix, thereby promoting species
dispersal and the associated ecosystem services in multifunctional agricultural landscapes.
Instead of solely focusing nature conservation to a limited amount of protected areas, ICLS
with species enriched grass–clover can counteract landscape fragmentation and facilitate
carabid beetle exchange between protected habitats.
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Appendix A

Figure A1. Residuals graph of the linear mixed effect model analyzing the carabid beetle activity density.

Table A1. Full species list of all caught ground beetles in total, and separated by the season they were
caught in (May/June and September).

Carabidae
Carabid Individuals,
Total

Carabid Individuals
May–June

Carabid Individuals
September

Abax parallelepipedus (Pill. and Mitt., 1783) 1 1 0
Acupalpus meridianus (L., 1761) 184 181 3
Agonum emarginatum (Gyll., 1827) 2 2 0
Agonum fuliginosum (Panzer, 1809) 1 1 0
Agonum muelleri (Herbst, 1784) 830 823 7
Agonum viduum (Panzer, 1796) 1 1 0
Amara aenea (De Geer, 1774) 147 146 1
Amara apricaria (Payk., 1790) 3 0 3
Amara eurynota (Panzer, 1796) 24 24 0
Amara familiaris (Duft., 1812) 27 27 0
Amara ovata (F., 1792) 3 3 0
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Table A1. Cont.

Carabidae
Carabid Individuals,
Total

Carabid Individuals
May–June

Carabid Individuals
September

Amara similata (Gyll., 1810) 56 55 1
Amara spreta Dejean, 1831 2 2 0
Anchomenus dorsalis (Pont., 1763) 389 388 1
Badister bullatus (Schrank, 1798) 9 9 0
Bembidion aeneum Germar, 1824 25 25 0
Bembidion guttula (Fabricius, 1792) 3 3 0
Bembidion lampros (Herbst, 1784) 2860 2774 86
Bembidion lunatum (Duftschmid, 1812) 17 388 1
Bembidion mannerheimii Sahlb., 1827 17 17 0
Bembidion obtusum Aud.-Serv., 1821 56 54 2
Bembidion properans (Steph., 1828) 238 226 12
Bembidion quadrimaculatum (L., 1761) 30 30 0
Bembidion tetracolum Say, 1823 731 724 7
Blemus discus (F., 1792) 10 2 8
Calathus erratus (Sahlb., 1827) 4 0 4
Calathus fuscipes (Goeze, 1777) 257 13 244
Carabus convexus F., 1775 2 2 0
Carabus coriaceus L., 1758 2 1 4
Carabus auratus L., 1761 197 196 1
Carabus granulatus L., 1758 71 70 1
Carabus hortensis L., 1758 2 2 0
Carabus nemoralis Müller, 1764 19 19 0
Carabus violaceus L., 1758 14 1 13
Chlaenius nigricornis (F., 1787) 14 14 0
Clivina fossor (L., 1758) 474 459 15
Demetrias atricapillus (L., 1758) 5 5 0
Dyschirius globosus (Herbst, 1784) 1 1 0
Epaphius secalis (Paykull, 1790) 1 1 0
Harpalus affinis (Schrank, 1781) 131 127 4
Harpalus calceatus (Duft. 1812) 3 3 0
Harpalus griseus (Panzer, 1796) 3 3 0
Harpalus rubripes (Duft., 1812) 3 3 0
Harpalus rufipes (De Geer, 1774) 10 5 5
Harpalus marginellus (Gyllenhal, 1827) 1 1 0
Leistus rufomarginatus (Duft., 1812) 1 1 0
Loricera pilicornis (F., 1775) 90 76 14
Microlestes minutulus (Goeze, 1777) 1 1 0
Nebria brevicollis (F., 1792) 1812 1422 390
Nebria salina (Fairm. and Lab., 1854) 708 511 197
Notiophilus biguttatus (F., 1779) 5 4 1
Notiophilus substriatus (G. R. Waterhouse, 1833) 66 65 1
Paranchus albipes (Fabricius, 1796) 1 1 0
Paradromius linearis (Ol., 1795) 1 1 0
Poecilus cupreus (L., 1758) 373 361 12
Poecilus lepidus (Leske, 1785) 7 7 0
Poecilus versicolor (Sturm, 1824) 165 156 9
Pterostichus melanarius (Ill., 1798) 888 404 484
Pterostichus nigrita (Payk., 1790) 53 13 40
Pterustichus strenuus (Panzer, 1796) 23 23 0
Pterostichus quadrifoveolatus (Letzner, 1852) 1 1 0
Pterostichus vernalis (Panzer, 1796) 13 11 2
Stomis pumicatus (Panzer, 1796) 8 8 0
Synuchus vivalis (Ill., 1798) 1 1 0
Trechoblemus micros (Herbst, 1784) 17 17 0
Trechus quadristriatus (Schrank, 1781) 230 16 214

Total 11.347 9.561 1.786
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Table A2. Results of the indicator species analysis in May and June (CM: conventional maize, GC:
grass–clover, GCH: grass–clover herbs, PG: permanent grasslands).

Species Group Indicator Value p

Abax parallelepipedus CM 2.0 0.4009
Acumenus meridianus GC, ungrazed 15.9 0.0034
Agonum emarginatum GCH, ungrazed 2.6 0.1696
Agonum fuliginosum GCH, grazed 0.9 1.000
Agonum muelleri PG 21.5 0.0030
Agonum viduum GCH, ungrazed 2.6 0.1712
Amara aenea PG 44.8 0.0002
Amara eurynota GCH, ungrazed 7.3 0.0122
Amara familiaris PG 4.9 0.1154
Amara ovata CM 1.6 0.5709
Amara similata GC, ungrazed 6.2 0.1136
Amara spreta PG 3.0 0.1294
Anchomenus dorsalis GC, ungrazed 20.1 0.0022
Badister bullatus GC, grazed 1.6 0.5853
Bembidion aeneum GCH, ungrazed 6.9 0.0250
Bembidion guttula GCH, grazed 1.1 0.7572
Bembidion lampros PG 18.7 0.2517
Bembidion lunatum CM 3.3 0.1464
Bembidion mannerheimii GCH, grazed 3.0 0.2731
Bembidion obtusum GCH, ungrazed 6.8 0.0706
Bembidion properans PG 29.4 0.0002
Bembidion quadrimaculatum CM 30.9 0.0002
Bembidion tetracolum CM 40.1 0.0002
Blemus discus GCH, ungrazed 1.9 0.3037
Calathus fuscipes GCH, grazed 4.6 0.0536
Carabus convexus GC, ungrazed 1.7 0.4227
Carabus coriaceus GC, ungrazed 2.4 0.2701
Carabus auratus GC, grazed 7.4 0.2478
Carabus granulatus GCH, ungrazed 8.0 0.0750
Carabus hortensis GCH, grazed 1.7 0.5859
Carabus nemoralis GCH, ungrazed 2.7 0.4153
Carabus violaceus GC, grazed 0.9 0.6991
Chlaenius nigricornis GCH, ungrazed 2.6 0.3369
Clivina fossor CM 20.9 0.0022
Demetrias atricapillus GCH, ungrazed 0.8 0.9628
Dyschirius globosus GC, grazed 0.9 0.6891
Epaphius secalis GCH, grazed 0.9 1.0000
Harpalus affinis GC, ungrazed 5.9 0.7057
Harpalus calceatus GCH, grazed 0.9 1.0000
Harpalus griseus GCH, grazed 1.1 0.7590
Harpalus rubripes GC, grazed 0.6 0.9162
Harpalus rufipes CM 2.4 0.2318
Harpalus marginatus PG 3.7 0.0678
Leistus rufomarginatus GC, grazed 0.9 0.7019
Loricera pilicornis GC, grazed 5.7 0.2134
Micros minutulus GC, ungrazed 2.4 0.2757
Nebria brevicollis GC, ungrazed 17.4 0.2360
Nebria salina GC, grazed 14.0 0.1676
Notiophilus bigutattus GC, ungrazed 0.9 0.8370
Notiophilus substratius GC, grazed 9.8 0.0200
Paranchus albipes GCH, grazed 0.9 1.0000
Paradromius linearis GCH, grazed 0.9 1.0000
Poecilus cupreus GCH, grazed 14.5 0.0180
Poecilus versicolor PG 49.7 0.0002
Poecilus Lepidus GCH, grazed 1.7 0.5449
Pterostichus melanarius CM 33.4 0.0002
Pterostichus nigrita GCH, ungrazed 6.5 0.0182
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Table A2. Cont.

Species Group Indicator Value p

Pterostichus strenuus PG 10.7 0.0026
Pterostichus quadrifoveolatus GCH, grazed 0.9 1.0000
Pterostichus vernalis GCH, ungrazed 4.7 0.0724
Stomis pumicollis GC, grazed 0.6 0.9844
Synuchus vivalis GCH, ungrazed 2.6 0.1620
Trechus micros PG 3.5 0.1856
Trechus quadristriatus CM 11.1 0.0008

Table A3. Results of indicator species analysis in September (CM: conventional maize, GC: grass–
clover, GCH: grass–clover herbs, PG: permanent grasslands).

Species Group Indicator Value p

Acupalpus meridianus CM 16.7 0.0064
Agonum muelleri GCH, ungrazed 12.2 0.0404
Amara aenea GCH, grazed 2.2 1.0000
Amara apricaria GCH, ungrazed 11.5 0.0274
Amara similata GCH, ungrazed 6.7 0.1688
Anchomenus dorsalis CM 8.3 0.0808
Bembidion lampros GCH, ungrazed 24.7 0.0102
Bembidion obtusum CM 16.7 0.0048
Bembidion properans GCH, ungrazed 6.7 0.2763
Bembidion tetracolum CM 13.4 0.0210
Blemus discus GCH, grazed 13.0 0.0296
Calathus erraticus GCH, ungrazed 5.0 0.2334
Calathus fuscipes PG 51.2 0.0002
Carabus coriaceus GCH, ungrazed 10.0 0.0582
Carabus auratus GCH, grazed 2.2 1.0000
Carabus granulatus GCH, grazed 2.2 1.0000
Carabus violaceus GC, grazed 6.8 0.3025
Clivina fossor GCH, ungrazed 7.8 0.2418
Harpalus affinis CM 9.4 0.0638
Harpalus rufipes CM 10.2 0.0566
Loricera pilicornis GCH, grazed 12.1 0.0606
Nebria brevicollis CM 29.5 0.0144
Nebria salina CM 46.5 0.0002
Notiophilus bigutattus GC, ungrazed 6.2 0.3963
Notiophilus substratius GCH, grazed 2.2 1.0000
Poecilus cupreus CM 5.9 0.3547
Poecilus versicolor PG 17.7 0.0054
Pterostichus melanarius CM 49.0 0.0002
Pterostichus nigrita CM 10.7 0.1972
Pterostichus vernalis PG 4.6 0.4217
Trechus quadristriatus CM 49.1 0.0002

Table A4. Differences in the activity densities of carabid beetles, comparing grass–clover (GC) and
grass–clover herbs (GCH) with each other, and in comparison to conventional maize (CM) and
permanent grasslands (PG) in May/June and September.

Estimate SE z-Value p-Value

GCH–GC (September) 2.437 5.045 0.483 0.995
CM–GC (September) 20.577 6.213 3.312 0.041
PG–GC (September) 9.852 5.37 1.688 0.497
CM–GCH (September) 18.14 6.208 2.922 0.08
PG–GCH (September) 7.415 5.832 1.271 0.744
GCH–GC (May) 4.03 5.374 0.750 0.963
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Table A4. Cont.

Estimate SE z-Value p-Value

CM–GC (May) −0.27 6.032 −0.045 1.0
PG–GC (May) 3.437 6.278 0.547 0.991
CM–GCH (May) −4.303 6.112 −0.704 0.972
PG–GCH (May) −0.594 6.355 −0.093 1.0

Table A5. Differences in the activity densities of eurytopic carabid beetles, comparing grass–clover
(GC) and grass–clover herbs (GCH) with each other, and in comparison to conventional maize (CM)
and permanent grasslands (PG) in May/June and September. p-values are indicated as * p < 0.05.

Estimate SE z-Value p-Value

GCH–GC (September) 1.11 2.657 0.418 0.998
CM–GC (September) 16.71 4.850 3.445 0.033 *
PG–GC (September) 2.086 2.730 0.758 0.964
CM–GCH (September) 15.6 4.732 3.297 0.043 *
PG–GCH (September) 0.958 2.515 0.381 1.0
GCH–GC (May) 0.63 2.327 0.271 1.0
CM–GC (May) −1.4489 2.299 −0.630 0.985
PG–GC (May) −3.653 2.23 −1.638 0.535
CM–GCH (May) −2.079 2.323 −0.895 0.928
PG–GCH (May) −4.283 2.255 −1.899 0.39

Table A6. Differences in the activity densities of open-habitat carabid beetles, comparing grass–clover
(GC) and grass–clover herbs (GCH) with each other, and in comparison to conventional maize (CM)
and permanent grasslands (PG) in May/June and September. p-values are indicated as * p < 0.05.

Estimate SE z-Value p-Value

GCH–GC (September) 0.123 0.535 0.229 1.0
CM–GC (September) −0.216 0.558 −0.386 0.999
PG–GC (September) 0.395 0.557 0.71 0.98
CM–GCH (September) −0.338 0.577 −0.587 0.992
PG–GCH (September) 0.273 0.575 0.474 0.998
GCH–GC (May) 1.449 1.182 1.225 0.805
CM–GC (May) −3.853 1.289 −2.989 0.076
PG–GC (May) 8.526 3.005 2.837 0.099
CM–GCH (May) −5.301 1.393 −3.805 0.019 *
PG–GCH (May) 7.077 3.051 2.319 0.227

Table A7. Differences in the species richness of open-habitat carabid beetles, comparing grass–clover
(GC) and grass–clover herbs (GCH) with each other, and in comparison to conventional maize (CM)
and permanent grasslands (PG) in May/June and September. p-values are indicated as * p < 0.05.

Estimate SE z-Value p-Value

GCH–GC (September) 0.163 0.159 1.027 0.903
CM–GC (September) 0.897 0.239 3.745 0.021 *
PG–GC (September) 0.157 0.208 0.753 0.975
CM–GCH (September) 0.734 0.239 3.074 0.068
PG–GCH (September) −0.007 0.207 −0.032 1.0
GCH–GC (May) 0.008 0.155 0.054 1.0
CM–GC (May) 0.944 0.238 3.964 0.014 *
PG–GC (May) 0.532 0.212 2.508 0.173
CM–GCH (May) 0.936 0.236 3.973 0.014 *
PG–GCH (May) 0.524 0.209 2.504 0.174

315



Land 2023, 12, 736

Table A8. Differences in activity densities of agrotopic carabid beetles, comparing grass–clover (GC)
and grass–clover herbs (GCH) with each other, and in comparison to conventional maize (CM) and
permanent grasslands (PG) in May/June and September.

Estimate SE z-Value p-Value

GCH–GC (September) 0.499 0.672 0.742 0.974
CM–GC (September) −0.123 0.781 −0.157 1.0
PG–GC (September) 7.161 2.748 2.606 0.141
CM–GCH (September) −0.622 0.766 −0.811 0.96
PG–GCH (September) 6.662 2.744 2.428 0.188
GCH–GC (May) 1.751 0.896 1.955 0.375
CM–GC (May) 0.017 1.542 0.011 1.0
PG–GC (May) −0.489 1.068 −0.458 0.998
CM–GCH (May) −1.734 1.579 −1.098 0.863
PG–GCH (May) −2.24 1.122 −1.996 0.355

Table A9. Differences in the species richness of agrotopic carabid beetles, comparing grass–clover
(GC) and grass–clover herbs (GCH) with each other, and in comparison to conventional maize (CM)
and permanent grasslands (PG) in May/June and September.

Estimate SE z-Value p-Value

GCH–GC (September) 0.136 0.42 0.323 1.0
CM–GC (September) 0.359 0.482 0.745 0.958
PG–GC (September) 0.195 0.461 0.422 0.997
CM–GCH (September) 0.223 0.485 0.460 0.996
PG–GCH (September) 0.059 0.465 0.127 1.0
GCH–GC (May) 0.076 0.438 0.174 1.0
CM–GC (May) −1.102 0.455 −2.425 0.173
PG–GC (May) 0.354 0.458 0.773 0.951
CM–GCH (May) −1.178 0.456 −2.581 0.135
PG–GCH (May) 0.278 0.460 0.605 0.983

Table A10. Differences in the species richness of eurytopic carabid beetles, comparing grass–clover
(GC) and grass–clover herbs (GCH) with each other, and in comparison to conventional maize (CM)
and permanent grasslands (PG) in May/June and September.

Estimate SE z-Value p-Value

GCH–GC (September) 0.126 0.459 0.275 1.0
CM–GC (September) 1.097 0.485 2.262 0.216
PG–GC (September) −0.008 0.473 −0.016 1.0
CM–GCH (September) 0.97 0.486 1.997 0.317
PG–GCH (September) −0.134 0.475 −0.283 1.0
GCH–GC (May) 0.119 0.437 0.273 1.0
CM–GC (May) −0.301 0.452 −0.666 0.97
PG–GC (May) −0.177 0.484 −0.365 0.998
CM–GCH (May) −0.42 0.452 −0.931 0.891
PG–GCH (May) −0.296 0.484 −0.612 0.98

Table A11. Differences in activity densities of herbivore carabid beetles, comparing grass–clover (GC)
and grass–clover herbs (GCH) with each other, and in comparison to conventional maize (CM) and
permanent grasslands (PG) in May/June and September. p-values are indicated as * p < 0.05.

Estimate SE z-Value p-Value

GCH–GC (September) −0.0001 0.445 0.000 1.0
CM–GC (September) 0.214 0.595 0.36 0.999
PG–GC (September) 0.117 0.856 0.136 1.0
CM–GCH (September) 0.215 0.601 0.357 0.999
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Table A11. Cont.

Estimate SE z-Value p-Value

PG–GCH (September) 0.117 0.86 0.136 1.0
GCH–GC (May) 0.267 0.411 0.65 0.982
CM–GC (May) 0.11 0.452 0.243 1.0
PG–GC (May) 2.472 0.698 3.543 0.028 *
CM–GCH (May) −0.157 0.454 −0.347 0.999
PG–GCH (May) 2.205 0.699 3.153 0.055

Table A12. Differences in activity densities of flightless/immobile carabid beetles, comparing grass–
clover (GC) and grass–clover herbs (GCH) with each other, and in comparison to conventional
maize (CM) and permanent grasslands (PG) in May/June and September. p-values are indicated as
* p < 0.05.

Estimate SE z-Value p-Value

GCH–GC (September) 0.234 0.570 0.41 0.998
CM–GC (September) −0.999 0.517 −1.931 0.37
PG–GC (September) 6.837 1.682 4.065 0.011 *
CM–GCH (September) −1.232 0.47 −2.623 0.13
PG–GCH (September) 6.603 1.668 3.959 0.013 *
GCH–GC (May) 0.069 0.467 0.148 1.0
CM–GC (May) −0.964 0.439 −2.194 0.255
PG–GC (May) −0.496 1.309 −0.379 0.999
CM–GCH (May) −1.033 0.416 −2.482 0.163
PG–GCH (May) −0.595 1.301 −0.434 0.998

Table A13. Differences in activity densities of flying/mobile carabid beetles, comparing grass–clover
(GC) and grass–clover herbs (GCH) with each other, and in comparison to conventional maize (CM)
and permanent grasslands (PG) in May/June and September. p-values are indicated as * p < 0.05.

Estimate SE z-Value p-Value

GCH–GC (September) 2.327 4.677 0.5 0.995
CM–GC (September) 21.521 5.906 3.644 0.023 *
PG–GC (September) 3.356 5.296 0.634 0.983
CM–GCH (September) 19.194 5.901 3.252 0.046 *
PG–GCH (September) 1.029 5.291 0.194 1.0
GCH–GC (May) 3.784 5.020 0.754 0.963
CM–GC (May) 0.509 5.681 0.09 1.0
PG–GC (May) 3.85 5.954 0.647 0.982
CM–GCH (May) −3.275 5.781 −0.566 0.99
PG–GCH (May) 0.066 6.049 −0.011 1.0

Table A14. Differences in the biomasses of carabid beetles, comparing grass–clover (GC) and grass–
clover herbs (GCH) with each other, and in comparison to conventional maize (CM) and permanent
grasslands (PG) in May/June and September.

Estimate SE z-Value p-Value

GCH–GC (September) 19.1 85.34 0.224 1.0
CM–GC (September) 407.78 128.9 3.163 0.054
PG–GC (September) 150.94 92.7 1.628 0.538
CM–GCH (September) 388.67 126.76 3.066 0.064
PG–GCH (September) 131.84 89.69 1.47 0.633
GCH–GC (May) 29.8 86.74 0.344 0.999
CM–GC (May) −139.31 86.29 −1.615 0.546
PG–GC (May) −95.7 87.86 −1.089 0.848
CM–GCH (May) −169.12 81.22 −2.082 0.303
PG–GCH (May) −125.5 82.89 −1.514 0.606
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Table A15. Differences in the Chao diversity index of carabid beetles, comparing grass–clover (GC)
and grass–clover herbs (GCH) with each other, and in comparison to conventional maize (CM) and
permanent grasslands (PG) in May/June and September.

Estimate SE z-Value p-Value

GCH–GC (September) −0.337 0.460 −0.733 0.978
CM–GC (September) 1.031 1.203 0.857 0.955
PG–GC (September) −0.803 0.476 −1.685 0.541
CM–GCH (September) 1.369 1.18 1.16 0.846
PG–GCH (September) −0.465 0.416 −1.117 0.866
GCH–GC (May) 0.401 0.452 0.887 0.948
CM–GC (May) −0.533 0.46 −1.159 0.846
PG–GC (May) 0.275 0.697 0.395 0.999
CM–GCH (May) −0.934 0.501 −1.863 0.438
PG–GCH (May) −0.125 0.725 −0.173 1.0

Table A16. Differences in activity densities of red list carabid beetles, comparing grass–clover (GC)
and grass–clover herbs (GCH) with each other, and in comparison to conventional maize (CM) and
permanent grasslands (PG) in May/June and September.

Estimate SE z-Value p-Value

GCH–GC (September) −0.065 0.586 −0.111 1.0
CM–GC (September) 0.017 0.553 0.03 1.0
PG–GC (September) −0.033 0.563 −0.059 1.0
CM–GCH (September) 0.081 0.515 0.158 1.0
PG–GCH (September) 0.032 0.526 0.06 1.0
GCH–GC (May) −0.048 0.52 −0.092 1.0
CM–GC (May) −0.823 0.506 −1.627 0.485
PG–GC (May) −0.526 0.512 −1.027 0.829
CM–GCH (May) −0.775 0.489 −1.586 0.508
PG–GCH (May) −0.478 0.495 −0.966 0.858

Table A17. Differences in activity densities of carnivore carabid beetles, comparing grass–clover (GC)
and grass–clover herbs (GCH) with each other, and in comparison to conventional maize (CM) and
permanent grasslands (PG) in May/June and September.

Estimate SE z-Value p-Value

GCH–GC (September) 0.176 4.136 0.042 1.0
CM–GC (September) 9.871 5.105 1.934 0.377
PG–GC (September) 4.609 5.09 0.905 0.927
CM–GCH (September) 9.695 5.08 1.907 0.39
PG–GCH (September) 4.433 5.07 0.874 0.936
GCH–GC (May) 3.152 4.549 0.693 0.977
CM–GC (May) −2.343 5.067 −0.462 0.997
PG–GC (May) 1.503 5.487 0.274 1.0
CM–GCH (May) −5.494 5.178 −1.061 0.866
PG–GCH (May) −1.648 5.589 −0.295 1.0

Table A18. Differences in activity densities of eurytopic carabid beetles, comparing the grazed
pastures and ungrazed strips of the grass–clover (GC) and the grass–clover herbs (GCH) in May/June
and September. p-values are indicated as * p < 0.05.

Estimate SE z-Value p-Value

GC ungr.–GC gr. (September) −5.675 2.632 −2.157 0.156
GCH ungr.–GCH gr. (September) −6.8 2.407 −2.825 0.0495 *
GC ungr.–GC gr. (May) −0.824 2.776 −0.297 0.994
GCH ungr.–GCH gr. (May) −2.484 2.456 −1.013 0.715
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Table A19. Differences in beetle activity densities, comparing the grazed pastures and ungrazed
strips of the grass–clover (GC) and the grass–clover herbs (GCH) in May/June and September.

Estimate SE z-Value p-Value

GC ungr.–GC gr. (September) −6.017 5.656 −1.064 0.677
GCH ungr.–GCH gr. (September) −7.619 5.674 −1.343 0.502
GC ungr.–GC gr. (May) 1.941 6.054 0.321 0.991
GCH ungr.–GCH gr. (May) −4.186 6.076 −0.689 0.891

Table A20. Differences in biomasses, comparing the grazed pastures and ungrazed strips of the
grass–clover (GC) and the grass–clover herbs (GCH) in May/June and September.

Estimate SE z-Value p-Value

GC ungr.–GC gr. (September) −193.86 84.52 −2.294 0.126
GCH ungr.–GCH gr. (September) −155.67 90.12 −1.727 0.308
GC ungr.–GC gr. (May) −45.96 106.03 −0.433 0.977
GCH ungr.–GCH gr. (May) −158.67 84.67 −1.874 0.248

Table A21. Differences in activity densities of open-habitat carabid beetles, comparing the grazed
pastures and ungrazed strips of the grass–clover (GC) and the grass–clover herbs (GCH) in May/June
and September.

Estimate SE z-Value p-Value

GC ungr.–GC gr. (September) 0.468 0.603 0.776 0.889
GCH ungr.–GCH gr. (September) 0.738 0.586 1.259 0.612
GC ungr.–GC gr. (May) 1.375 1.521 0.904 0.827
GCH ungr.–GCH gr. (May) −1.392 1.385 −1.005 0.77

Table A22. Differences in activity densities of agrotopic carabid beetles, comparing the grazed
pastures and ungrazed strips of the grass–clover (GC) and the grass–clover herbs (GCH) in May/June
and September.

Estimate SE z-Value p-Value

GC ungr.–GC gr. (September) −0.971 0.73 −1.330 0.543
GCH ungr.–GCH gr. (September) −1.306 0.717 −1.821 0.282
GC ungr.–GC gr. (May) 1.135 1.098 1.034 0.73
GCH ungr.–GCH gr. (May) −1.313 1.161 −1.131 0.669

Table A23. Differences in species richness of eurytopic carabid beetles, comparing the grazed
pastures and ungrazed strips of the grass–clover (GC) and the grass–clover herbs (GCH) in May/June
and September.

Estimate SE z-Value p-Value

GC ungr.–GC gr. (September) −1.128 0.481 −2.343 0.11
GCH ungr.–GCH gr. (September) −1.253 0.484 −2.59 0.072
GC ungr.–GC gr. (May) −0.534 0.472 −1.131 0.621
GCH ungr.–GCH gr. (May) −0.064 0.488 −0.131 1.0
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Table A24. Differences in species richness of open-habitat carabid beetles, comparing the grazed
pastures and ungrazed strips of the grass–clover (GC) and the grass–clover herbs (GCH) in May/June
and September.

Estimate SE z-Value p-Value

GC ungr.–GC gr. (September) 0.042 0.228 0.186 1.0
GCH ungr.–GCH gr. (September) 0.264 0.243 1.085 0.728
GC ungr.–GC gr. (May) 0.007 0.197 0.035 1.0
GCH ungr.–GCH gr. (May) −0.022 0.176 −0.126 1.0

Table A25. Differences in species richness of agrotopic carabid beetles, comparing the grazed
pastures and ungrazed strips of the grass–clover (GC) and the grass–clover herbs (GCH) in May/June
and September.

Estimate SE z-Value p-Value

GC ungr.–GC gr. (September) 0.132 0.441 0.298 0.994
GCH ungr.–GCH gr. (September) 0.388 0.456 0.851 0.81
GC ungr.–GC gr. (May) 0.107 0.472 0.226 0.998
GCH ungr.–GCH gr. (May) −0.172 0.469 −0.366 0.987

Table A26. Differences in Chao diversity index, comparing the grazed pastures and ungrazed strips
of the grass–clover (GC) and the grass–clover herbs (GCH) in May/June and September.

Estimate SE z-Value p-Value

GC ungr.–GC gr. (September) −0.5775 0.6324 −0.913 0.83
GCH ungr.–GCH gr. (September) 0.2566 0.7578 0.339 0.994
GC ungr.–GC gr. (May) −0.4892 0.5385 −0.908 0.832
GCH ungr.–GCH gr. (May) −0.3111 0.6663 −0.467 0.981

Table A27. Differences in activity densities of red list carabid beetles, comparing the grazed pas-
tures and ungrazed strips of the grass–clover (GC) and the grass–clover herbs (GCH) in May/June
and September.

Estimate SE z-Value p-Value

GC ungr.–GC gr. (September) 0.002 0.667 0.004 1.0
GCH ungr.–GCH gr. (September) 0.047 0.568 0.083 1.0
GC ungr.–GC gr. (May) −0.148 0.557 −0.265 0.996
GCH ungr.–GCH gr. (May) −0.217 0.517 −0.420 0.979

Table A28. Differences in activity densities of herbivore carabid beetles, comparing the grazed
pastures and ungrazed strips of the grass–clover (GC) and the grass–clover herbs (GCH) in May/June
and September.

Estimate SE z-Value p-Value

GC ungr.–GC gr. (September) −0.043 0.538 −0.079 1.0
GCH ungr.–GCH gr. (September) 0.183 0.508 0.359 0.989
GC ungr.–GC gr. (May) 0.314 0.465 0.676 0.904
GCH ungr.–GCH gr. (May) −0.045 0.458 −0.098 1.0
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Table A29. Differences in activity densities of herbivore carabid beetles, comparing the grazed
pastures and ungrazed strips of the grass–clover (GC) and the grass–clover herbs (GCH) in May/June
and September.

Estimate SE z-Value p-Value

GC ungr.–GC gr. (September) −5.179 4.710 −1.1 0.672
GCH ungr.–GCH gr. (September) −4.742 4.711 −1.006 0.731
GC ungr.–GC gr. (May) 2.302 5.191 0.443 0.977
GCH ungr.–GCH gr. (May) −3.073 5.233 −0.587 0.94

Table A30. Differences in activity densities of flightless/immobile carabid beetles, comparing the
grazed pastures and ungrazed strips of the grass–clover (GC) and the grass–clover herbs (GCH) in
May/June and September.

Estimate SE z-Value p-Value

GC ungr.–GC gr. (September) −1.037 0.652 −1.591 0.387
GCH ungr.–GCH gr. (September) −1.359 0.503 −2.701 0.065
GC ungr.–GC gr. (May) −0.215 0.505 −0.425 0.982
GCH ungr.–GCH gr. (May) −0.467 0.436 −1.069 0.703

Table A31. Differences in activity densities of flying/mobile carabid beetles, comparing the grazed
pastures and ungrazed strips of the grass–clover (GC) and the grass–clover herbs (GCH) in May/June
and September.

Estimate SE z-Value p-Value

GC ungr.–GC gr. (September) −4.83 5.275 −0.196 0.773
GCH ungr.–GCH gr. (September) −6.375 5.275 −1.208 0.589
GC ungr.–GC gr. (May) 1.9 5.657 0.336 0.99
GCH ungr.–GCH gr. (May) −3.834 5.708 −0.672 0.901
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Abstract: The emergence of cloud computing, big data analytics, and machine learning has catalysed
the use of remote sensing technologies to enable more timely management of sustainability indicators,
given the uncertainty of future climate conditions. Here, we examine the potential of “regenerative
agriculture”, as an adaptive grazing management strategy to minimise bare ground exposure while
improving pasture productivity. High-intensity sheep grazing treatments were conducted in small
fields (less than 1 ha) for short durations (typically less than 1 day). Paddocks were subsequently
spelled to allow pasture biomass recovery (treatments comprising 3, 6, 9, 12, and 15 months), with
each compared with controls characterised by lighter stocking rates for longer periods (2000 DSE/ha).
Pastures were composed of wallaby grass (Austrodanthonia species), kangaroo grass (Themeda triandra),
Phalaris (Phalaris aquatica), and cocksfoot (Dactylis glomerata), and were destructively sampled to
estimate total standing dry matter (TSDM), standing green biomass, standing dry biomass and
trampled biomass. We invoked a machine learning model forced with Sentinel-2 imagery to quantify
TSDM, standing green and dry biomass. Faced with La Nina conditions, regenerative grazing did not
significantly impact pasture productivity, with all treatments showing similar TSDM, green biomass
and recovery. However, regenerative treatments significantly impacted litterfall and trampled
material, with high-intensity grazing treatments trampling more biomass, increasing litter, enhancing
surface organic matter and decomposition rates thereof. Pasture digestibility and sward uniformity
were greatest for treatments with minimal spelling (3 months), whereas both standing senescent
and trampled material were greater for the 15-month spelling treatment. TSDM prognostics from
machine learning were lower than measured TSDM, although predictions from the machine learning
approach closely matched observed spatiotemporal variability within and across treatments. The
root mean square error between the measured and modelled TSDM was 903 kg DM/ha, which was
less than the variability measured in the field. We conclude that regenerative grazing with short
recovery periods (3–6 months) was more conducive to increasing pasture production under high
rainfall conditions, and we speculate that – in this environment - high-intensity grazing with 3-month
spelling is likely to improve soil organic carbon through increased litterfall and trampling. Our study
paves the way for using machine learning with satellite imagery to quantify pasture biomass at small
scales, enabling the management of pastures within small fields from afar.

Keywords: machine learning; satellite imagery; regenerative grazing; grassland biomass; total
standing dry matter; digital agriculture; grassland management; climate change; land degradation;
long-term monitoring
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1. Introduction

Grasslands comprise key terrestrial ecosystems, providing feed and habitat for do-
mesticated livestock and wildlife globally [1–3]. Grasslands allow significant carbon se-
questration [4,5] in addition to existing carbon stocks they prevent from entering the atmo-
sphere [6,7]. The resilience of grasslands to extreme drought and future climate requires
an innovative agroecosystem approach that promotes functional biological drivers (such
as soil microbial activities) and adaptive grazing management [8,9]. One such adaptive
technique is using regenerative grazing principles [8,10] to stimulate ecosystem functions
through short, intense grazing, adjustable stocking rate, and multi-paddock-system at the
farm level (1–100 ha) with long rest periods allowing pasture biomass and land to recover.
Residual biomass from trampling effects associated with regenerative grazing plays a
significant role in reducing bare ground, enabling soil health (through soil microbial func-
tionality), litter conversion, soil aggregation and porosity, and carbon sequestration [8,11].
Stimulation of organic microbial activities through residual biomass and trampling effects
of grazing livestock contrasts with conventional farming systems in developed nations
(through the use of irrigation, synthetic fertilizers, etc.) [8]. In practice, evidence of regener-
ative grazing impacts on pasture biomass, litterfall, and decomposition tend to be based on
anecdotal rather than quantitative evidence [11–13]. Since the current information is not
experimentally driven, available monitoring tools have not been tested to understand their
usefulness to end-users. Due to large land areas and the dynamic and spatially variable
nature of grazing [14,15], physical monitoring of grassland conditions is often cumbersome,
particularly where land areas are remote, large, and/or geographically challenging. The
rise of satellite imagery, cloud computing, big data analytics, and machine learning have
paved the way for innovative opportunities for land managers to remotely monitor crop,
pasture, or grassland biomass from afar [16].

Conventional methods for monitoring pasture biomass and livestock utilisation (i.e.,
ground-based measurement and proximal sensing) are limited in terms of scope, and
both spatial and temporal extent [17]. Previous research in Australia [18], the United
Kingdom [19], New Zealand [20], and the United States [21] has reported limitations of
ground sampling approaches (i.e., visual, rising plate meter, and destructive method by
clipping) in quantifying the spatial variability of pasture biomass. By contrast, remote
sensing provides timely spatiotemporal information that can predict the availability of feed
prior to grazing [19], allowing for feed budgeting. However, in most cases, remote sensing
of pasture biomass is not process-driven (i.e., based on vegetation indices); often the use
of such reflectance indices at small field scales (e.g., less than 50 ha) is constrained by the
resolution of the satellite imagery [19,22] and accurate calibration [23]. Remote sensing that
considers process-based retrieval of pasture biomass and other biophysical variables may
invoke site-specific modelling and machine-learning techniques [24]. Although some suc-
cesses have been reported, physical-based techniques such as radiative transfer modelling
and light use efficiency modelling can be prohibitive as they may require a set of para-
metric rules for different study locations [25–27]. However, machine learning techniques
including artificial neural networks (ANN) [16], random forest (RF) [28], and support
vector machine (SVM) [21] are not site-specific and can be used to retrieve pasture biomass
estimates [22]. ANN [16] was used to estimate pasture biomass leveraging multitemporal
Sentinel-2 data collected over dairy farms in Tasmania [16]. The study showed that the
accuracy of ANN improved when meteorological variables were included in the model;
indeed, much process-based modelling is based primarily on longitudinal measurements
of climate at a given site [2,23,29]. However, process-based applications are required as
an operational service to support farm management—what is often known as a decision
support system (DSS) [16,17,30,31]—and are often limited by the accuracy of site-specific
soil characterisation [32,33].

Previous estimates of pasture biomass at the field (paddock) scale with machine learn-
ing algorithms have used standing green vegetation as a proxy to quantify the actual
biomass from the normalised difference vegetation index (NDVI) [21,28,34,35]. Information
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derived from NDVI can provide sufficient information about active photosynthetic [36]
vegetation, whereas non-green senescent pasture species or dormant vegetation are of-
ten much more difficult to quantify due to their low reflectance in the near-infrared [37].
To successfully realise improved land-use sustainability through more timely, accurate
biologically-intelligent monitoring of pasture sustainability indicators, more robust ap-
proaches are urgently needed [30,38–40]. This would also allow livestock farmers to better
predict feed on offer (for total green and non-green forage) enabling planning of their
stocking rate to maximise liveweight production while maximising environmental steward-
ship [32,33]. While a range of commercial technologies exists, outputs from many of these
applications are site-specific and others have not been validated. This raises questions as to
how well such applications predict pasture biomass outside their zone of calibration.

The launch of the European Space Agency’s Sentinel-2 satellites has enhanced the
development of “agricultural technology” or “Ag-tech” companies offering products aimed
at quantifying land surface conditions. One such company—“Cibo Labs” (https://www.
cibolabs.com.au/; accessed on 1 December 2022)—uses a predictive time series machine
learning approach to derive spectral information from Sentinel-2 data about local properties
at the field scale. Cibo Labs uses pasture cuts to train and validate the total standing dry
matter (TSDM) model. Several thousand fields from farms across Australia are used to
train a deep neural network (DNN). Cibo Labs uses the dropout regularisation method
to reduce overfitting and computational costs, hence improving the generalisation of
the DNN [41]. This is achieved by randomly dropping units (i.e., hidden and visible
layers) to improve the neural network’s performance during training. Hitherto the present
study, Cibo Labs validated total standing dry matter (TSDM) estimates using 2000 field
measured samples collected over two years from across eastern and northern Australia.
Thirty-three percent of field sites were used to train a three-layer, multilayer perceptron
regression model (MPRM) using a 50% dropout and a maximum norm constraint [42–44].
The remainder of the field samples were used for validation. The model was trained with
100 iterations (~16,000 epochs) before reaching a termination criterion characterised by a
median prediction error of 295 ± 8 kg DM/ha.

While such predictive accuracy was within the variability of measured data, the study
was primarily conducted using measurements taken from low-latitude environments (the
Northern part of Australia). Additionally, previous investigations of Cibo Labs’ utility did
not consider regenerative grazing principles implemented at the farm level. Therefore, it
remains to be seen how well Cibo Labs performs in mid-latitude environments such as the
island state of Tasmania, where cloud cover in winter and spring is frequent [45], as well
as examine if the tool can support regenerative grazing at the farm level. Clouds reduce
spatial and temporal coverage by reducing target clarity and increasing the time between
clear useable images [16,46]. In the present study, we used a destructive sampling method
to measure the total standing dry matter (kg DM/ha), equivalent to standing green and
standing dry before and after grazing, with 3, 6, 9, 12, and 15 months of biomass regrowth.
We applied regenerative grazing to the smaller plots of similar size (<1 ha), while three
plots of size 10–50 ha were used as controls (i.e., business-as-usual grazing). Our hypothesis
was that the treatment plots or disturbance caused by the high stocking density would
account for the TSDM variability. The key aim was to examine the effects of regenerative
grazing on TSDM productivity in the plots and whether Sentinel-2 imagery and the Cibo
Labs model could estimate the TSDM at the plot level. This was conducted by comparing
Cibo Labs estimates of TSDM with destructively sampled pasture biomass for a site in
south-eastern Tasmania subject to sheep grazing treatments.

Our objectives were to thus provide insight into: (1) the effects of regenerative grazing
on TSDM productivity, consumption, and trampling and (2) the usefulness of Sentinel-2
imagery and accuracy of the Cibo Labs model to estimate TSDM on effects of regenerative
grazing at the farm level.
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2. Materials and Methods

2.1. Study Site

The location for this study was south-eastern Tasmania, Australia. We worked on a
case study farm (42◦30′ S, 147◦59′ E) north of the town of Triabunna called ‘Okehampton’.
The average annual rainfall at this location is 648 mm while the average annual minimum
and maximum temperature are 7 ◦C and 17 ◦C, respectively [47]. Okehampton consists of
52 paddocks of sizes ranging from 1–138 ha covering an estimated area of 1446 ha (Figure 1).
The botanical composition of fields comprises a mixture of native and sown pastures with
mostly annual and perennial ryegrass (wallaby grass (Austrodanthonia species), kanga-
roo grass (Themeda triandra), Phalaris (Phalaris aquatic) and cocksfoot spear grass (Dactylis
glomerata) [48]. The absence of irrigation and synthetic fertilizers on this site and the goal
to stimulate pasture growth to improve livestock production, demand that agronomic
systems implemented be sustainable, profitable, inclusive, and enduring—especially given
the uncertainty of future climate conditions in this region [29,49]. The farm has a history of
sheep grazing but the field layouts have evolved over time to accommodate inclusive, in-
tensive grazing management, conservation of biodiversity, and environmental stewardship,
including protection of endangered grass species and implementation of cultural burning
practices informed by the local indigenous people (Pakana Services).

Figure 1. Study site (a) land use for Tasmania, (b) farm property, comprising 52 paddocks, and
(c) subplots used for field sampling, [three larger plots (10 ha, 14 ha and 54 ha) were used as
controls, while treatment plots had sizes of 0.2–0.4 ha]. The first six plots were located on a paddock
called “Bougainville” on a hill. Land use data in (a) was obtained from the Australian Government,
Department of Agriculture, Fisheries and Forestry, land use and management (accessed 10 October
2022).
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2.2. Regenerative Grazing Data Collection

Twelve paddocks nominated by the case study farmer were used for the field sampling
campaign. Biomass samples were collected by a local consultant from December 2021
through November 2022. Grazing was conducted for 1 day in the treatment plots (early
morning to late evening). The control has “business-as-usual” grazing (Table 1). Pasture
biomass fractions were generally quantified before grazing. Three plots [Vault control (VC),
lower Bougainville (LB), and upper Bougainville (UB)] were used as controls following
grazing regimes that were business-as-usual. These plots were grazed for longer periods
(weeks) at lower stocking rates (2000 DSE/ha) than the intensive treatments (i.e., the
other seven paddocks) and allowed less time between subsequent grazing compared
with intensively grazed paddocks. Control paddocks were larger in size compared with
treatment plots. Treatment plots were stocked at the same rate while following adjusted
stocking density (Table 1) and grazed for one day on consecutive days within the same
week to minimise potential confounding effects of weather impacts on pasture growth,
then rested for three, six, nine or twelve months before re-grazing. Treatment plots were
conducted based on ‘regenerative’ principles that conduct short, intense grazing, with long
rest periods allowing pastures to recover [50]. In contrast, control paddocks were grazed at
lighter stocking rates (Equation (1)), for longer durations, and allowed less time to recover
(Table 1). Henceforth, the business-as-usual plots would be called BAU.

Stocking rate (DSE/ha) = grazing area per dry sheep equivalent for a
nominated period

(1)

From Equation (1), if the stocking rate of BAU plots is 2000 (DSE/ha), then the stocking
rate for the treatment plots is 1/4 of ha = 8000 DSE/ha.

Pasture biomass was harvested to the ground level from five locations (quadrats) that
were predetermined within each plot (from plot points with red layouts in Figure 1) using
a battery-operated shearing handpiece and a 0.25 m2 quadrat (a square of 0.5 × 0.5 m).
Standing biomass (green and dry) was cut prior to grazing while standing residuals (green
and dry) and trampled biomass (green and dry) were taken post grazing, in a location
immediately adjacent to the pre-grazing biomass harvest. Biomass was quickly placed
in sealed, labelled plastic bags and transported to a 4 ◦C room in the laboratory where
each bag was weighed after dung was excluded. The biomass was mixed, and using a
quartering method, subsampled for separation and drying. Sub-samples of green and
dry biomass were separated and then dried in a 60 ◦C oven for at least 48 h, before being
weighed using a Mettler scale. This process was repeated for post-grazing biomass in some
of the paddocks that were grazed. To account for the high volume of trampled biomass
(i.e., biomass lying on the surface disturbed by the high density of sheep) this component
was measured separately from the standing biomass (Table 1). Total standing dry matter
(TSDM) was computed by the summation of green and dry biomass without trampled
components. To determine actual biomass utilised during a post-grazing event, we used
Equations (2) and (3) for total trampled dry matter (TTDM), as shown in Figure 2.

total standing dry matter (TSDM) − trampled residual = Biomass consumed (2)

trampled green dry matter + trampled senesced dry matter =
Total trampled dry matter (TTDM)

(3)

Since the sampled biomass collected from the five locations was completed only once
in each plot following a predetermined layout (plot points in Figure 1), we computed the
mean for these locations to account for sampling error and tested if the treatment plots
and grazing days have a significant effect on biomass using statistical analysis (ANOVA
and general linear model). We developed a time series analysis for the treatment plots
(including BAU) and compared them with statistical outcomes.

The experiment was for twelve months, from December 2021 to November 2022,
where the effects of short, intense grazing compared with the conventional grazing (control)
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on plot treatments for their drought resilience were observed. Hence, the experiment
covered the four seasonal variations (summer, winter, autumn, and spring) in the study
area. Summer is from December to February; autumn is from April to May; winter is from
June to August; spring is from September to November [46].

Table 1. Experimental treatments and business-as-usual plots (controls). All plots were sampled and
grazed in phase 1. Trampled residual was collected only post-grazing. Bougainville plots 1, 2, 3, and
4 were conducted with different treatments to Vault treatments. At the outset, Bougainville plots
2 and 4 were subjected to intense grazing, similar to the Vault treatments, whereas Bougainville 1
and 3 plots were grazed in accordance with BAU. After phase 1, all four plots were closed grazed no
further. Asterisk (*) DSE represents “dry sheep equivalent”, a standardised grazing unit representing
one dry, non-lactating 45 kg castrated male (wether) consuming 7.6 MJ/day.

Treatments Plot

Phase 1 Phase 2 Phase 3 Phase 4

Size (ha)
December 2021 &

January 2022
April 2022 July 2022

November
2022

Grazing Pre Post Pre Pre Pre

Trampled after
post-grazing

� V4

Stocking rate
(DSE/ha) *

8000 6000 8800 8800

BAU &
Regenerative Bougainville (B1) 0.4 � �

Regenerative Bougainville (B2) 0.2 � �

BAU &
Regenerative Bougainville (B3) 0.3 � �

Regenerative Bougainville (B4) 0.2 � �

Control Upper Bougainville
(UB) 54 Business as usual

Control Lower Bougainville
(LB) 10 Business as usual

R
egenerative

Vault 1 [12 months] 0.3 � � �

Vault 2 [9 months] 0.3 � � �

Vault 3 [6 months] 0.3 � � �

Vault 4 [3 months] 0.3 � � � � �

Vault 5 [15 months] 0.3 � �

Control Vault Control 14 Business as usual

The method was developed by the authors.
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Figure 2. Pasture biomass categories enumerated using destructive harvests at Okehampton, Tas-
mania, Australia. We measured (a) standing green biomass and (b) standing dry biomass prior to
grazing; post-grazing we also measured (c) trampled green biomass and (d) trampled dry biomass.
Photographs (a) and (b) were taken in autumn, (c) in winter and (d) in summer. We refer to destruc-
tive sampling data herein as ‘measured’ data. Total standing dry matter (TSDM) was computed as
the summation of green and dry standing biomass.
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2.3. Remote Sensing

Estimates of TSDM were derived using the ‘PastureKey’ app within Cibo Labs, which
is produced using 10 m resolution Sentinel-2 imagery provided by the European Space
Agency (ESA). Only cloud-free pixels of Sentinel-2 imagery are used by Cibo Labs, and
the application produces TSDM estimates for cloud-free paddocks every 5 days (Sentinel
2 revisit time). Cloudy pixels are detected and masked with the ‘Fmask’ algorithm [51].
Ten bands (b2, b3, b4, b5, b6, b7, b8, b8A, b11 and b12) of Sentinel-2 imagery were used
to derive TSDM products. Using a predictive machine learning approach driven by deep
neural networks (DNN), measured data are trained to predict TSDM within and across
the paddock for every satellite revisit across a property. Cibo Labs uses Sentinel-2 bands
from several thousand paddocks and dates of satellite imagery acquisition to train a three-
layer, multilayer perceptron neural network regression model using a 20–50% dropout
regularisation method. The dropout regularisation method addresses the problem of
overfitting [41].

Pasture estimates in near real-time are available from the PastureKey application
within Cibo Labs. Hereafter, the PastureKey application would be referred to as Cibo Labs
for convenience. The multilayer perceptron model can learn in real-time, complementing
the delivery of products to end-users in cloud optimised GeoTiff (COG) format. Estimates
of pasture biomass are available on demand or in a batch mode through a high-performance
computing (HPC) environment.

2.4. Comparing Measured Pasture Biomass with Satellite Estimates

On the account that Sentinel-2 could retrieve total standing green and dry matter from
the plot with a size less than 1 ha, pasture estimates from Cibo Labs were evaluated by
comparison with corresponding measured values for each time point (in each case using
the most proximal Sentinel-2 imagery). Comparisons of measured against estimated data
were assessed using, time series trendline and error bar, root mean square error, and R2

following [15,29,52].

3. Results

3.1. The Effects of Regenerative Grazing on Pasture Productivity, Consumption and Trampling

In all treatments and BAU plots, pasture biomass removal through intensive and con-
ventional (control) grazing typically shows biomass loss between pre-grazing (December
2021–January 2022) and post-grazing (January–February) in phase 1 (Figure 3). This is also
observed in phase 4, where Vault 2 and Vault 4 plots went through a post-grazing regime
(Figure 3). The actual biomass consumed in the one-day grazing for all treatments is shown
in Figure 3. As shown in Figure 3, the actual biomass utilised (see Equation (2)) through
grazing is low compared to the trampled biomass (see Equation (3)) for all treatment plots
(BAU inclusive). Therefore, trampling has a more significant effect on the TSDM than the
actual grazing (i.e., consumption).
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Figure 3. Effects of grazing treatment on total standing dry matter (TSDM), computed as the sum of
standing green DM, standing dry DM and trampled residual. Small dot points show measurements
obtained from five quadrats in each treatment plot; large dots show means for each plot.

All treatments, including BAU plots, show similar temporal variability and trends of
total standing biomass (Figure 4). A similar trend is observed in standing green DM and
standing dry DM (Figures 5 and 6). This indicates that the grazing intervals and the resting
periods (3, 6, 9, 12, and 15 months) did not significantly influence biomass recovery or
productivity in the experiment. For instance, after the first three months of rest in phase 1,
where all treatment plots were grazed, pastures did not recover to the biomass level at
the start of the experiment, likely due to seasonal variations in rainfall and temperature
(Figure 5). However, following the consecutive increase in rainfall and temperature in
winter through spring, total standing biomass increased, as observed in the Vaults and
Bougainville 3 and 4 treatments (Figure 5). For example, the treatment plot (Vault 1) grazed
only once (i.e., 12 months of rest) was similar to the Vault 4 plot, which was grazed every
three months. In the same way, the Vault 5 plot that has not been grazed (i.e., 15 months of
rest) is similar to the plot that was grazed every three months (Vault 4). In similar manner,
the Vault 4 treatment is similar to the Bougainville 2–4 plots that were left ungrazed after
phase 1 (Figures 3 and 4). Only Bougainville 3 plot exceeded Vault 4 treatment in the TSDM
during spring by 3000 kg DM/ha. Therefore, biomass removal and recovery through
regenerative grazing or conventional method does not influence Vaults and Bougainville
treatments (Figure 3).
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Figure 4. Effects of treatment on the total standing dry matter. TSDM was computed as the sum of
standing green DM and standing dry DM, excluding trampled residual.

Figure 5. Effects of treatment on standing green biomass.
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Figure 6. Effects of treatment on standing dry biomass.

During spring, the TSDM in the Bougainville 1–4 plots varied due to rainfall, as shown
in Figures 3 and 4. The Bougainville 3 plot had more available TSDM than the Vault 5
treatment, as seen in Figure 4. Since the Bougainville plots are situated on a sloping hill, it
is uncertain if their location played a role in the significant biomass growth observed in
Bougainville 2–4 during spring, as depicted in Figure 4. The Bougainville 1 plot had the
lowest TSDM volume.

ANOVA and generalized linear models showed no significant association between
plots and pasture biomass productivity (TSDM). However, there were significant differences
when the date of grazing was used as an effect of treatment. Generally, the ANOVA test
shows the effect of grazing date is statistically significant (p < 0.001) to the TSDM, while
the post hoc Dunnett test does not show the level of interaction. Analysing the effects
of dates of treatments and TSDM further with interaction using the GML model shows
strong evidence of significant difference (p < 0.05) on 27 January 2022 by an estimated
−11,076 kg DM/ha compared to other grazing dates. The treatment plots associated with
the 27 January grazing event include Bougainville 2, Bougainville 4, Vault 1, Vault 2, Vault
3, Vault 4, and Vault 5. In contrast, there is no statistical evidence that the BAU (Lower
Bougainville, Upper Bougainville, and Vault Control) is significantly different (p > 0.1) from
variability in biomass. Therefore, we conclude that the effect of regenerative treatments (i.e.,
short, intense grazing, and rest periods) in the plots did not affect TSDM productivity and
consumption. Only the trampling effect (surface disturbed by the high density of sheep)
associated with the 27 January 2022 post-grazing event in phase 1 for Vaults (1, 2, 3, 4, and
5) and Bougainville 2 and 4 plots explained the variability in biomass. We conclude that
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regenerative grazing did not have an effect on pasture biomass productivity in the wet year
of 2022. All treatment plots have similar results.

In summary, the Vault 4 plot with three months grazing interval has the highest
volume of standing green DM compared with Vault 5 with 15 months of resting interval
(Figure 5). The Vault 5 plot with 15 months of resting interval has the highest standing dry
matter compared to other treatment plots as there was no grazing in this period (Figure 6).

3.2. Satellite Estimate of Pasture Biomass

Cibo Labs (PastureKey application) utilises Sentinel-2 imagery to estimate TSDM,
standing green DM, and standing dry DM in all the treatment plots, pre- and post-grazing
(Figures 7 and 8). The matchup of Sentinel-2 imagery with the measured biomass measure-
ments ranges from 2 to 40 days. In the summer (5 December 2021 to 13 January 2022), six
plots (Upper Bougainville, Vault 1 to 5) had a lag of 40 days between Sentinel-2 imagery
and the measured data. A two-day difference was experienced in autumn (between 3 and 5
July 2022).

Figure 7. Cont.
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Figure 7. Measured and modelled TSDM data at Okehampton, Triabunna, Tasmania. Trampled
material is vegetation pushed against the ground surface by grazing that was measured in phase 1
(Table 1) post-grazing. Broken lines represent measured TSDM; blue solid line represents Cibo
Labs modelled TSDM. Bougainville 1 and 3 treatment plots were grazed as BAU at the start of the
experiment before subsequently being closed to grazing. Error bars represent standard error of
the mean.
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Figure 8. Cont.
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Figure 8. Measured standing green and dry pasture biomass compared with the Cibo Labs simulated
values. Broken lines represent measured green DM and dry DM, while blue solid line represents
Cibo Labs estimated green DM and dry DM. Error bars represent standard error of the mean.

Cibo Labs accounted for the variability in the TSDM in the treatment plots (be-
tween and within) but underestimated this value, compared with the measured TSDM
(Figure 9). There are instances (phases 1–4) where the satellite estimated TSDM values
closely (Bougainville 1, 2, and 4 and Vaults 1, 3, and 4) matched the measured points.
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For all the treatment plots excluding Upper Bougainville and Lower Bougainville which
went through conventional grazing (control), the Cibo Labs passes through one or more
error bars, indicating it is within an acceptable variability of the measured biomass. The
plot (Vault 4) which went through repeated grazing treatment every three months is more
closely associated with the measured variability than Vault 1 which was grazed only once,
or Vault 5 with 15 months of rest (Figure 7). The Vault 5 treatment plot has the highest
variance.

Figure 9. Relationship between measured total standing dry matter and Cibo Labs modelled values.
Orange line is 1:1 and blue regression is line of best fit. Mean absolute error was 745 kg DM/ha and
root mean square error was 904 kg DM/ha.

The measured TSDM collected for the post-grazing event in Vault 5 on 27 January
2022 shows the total trampled residual (trampled green DM and trampled dry DM) was
zero which implies that biomass in this plot was lying on the surface due to the effect of the
high-density of sheep (Figure 7). In this treatment, the biomass utilised was 355 kg DM/ha
for one day of grazing [Total standing dry matter (TSDM) before grazing − Total trampled
dry matter (TTDM) after grazing, (11,076–10,721 = 355 kg DM/ha]. The unutilised trampled
residual (green and dry) that was measured, 10,721 kg DM/ha has a corresponding estimate
of 1004 kg DM/ha from the Cibo Labs. It, therefore, implies that although Cibo Labs
underestimates the TSDM, it can account for the trampled residual that is of high volume.

Sentinel-2 imagery integrated with the Cibo labs model has a better capability of
estimating standing green DM than standing dry DM (Figure 8). Although estimates are
within the variability of the measured data points, in phase 1 (except Vaults 1 and 2 and
Bougainville 1 and 2) and phase 2 of the experiment, Cibo Lab overestimated standing green
DM (Figure 8). No clear relationship exists between the measured and estimates (Figure 7)
for the 7 November 2022 (phase 4), similar to Figure 7. There is no correlation between the
measured standing dry DM and Cibo Labs estimates. Cibo Labs underestimated standing
dry DM—estimates are barely above ground level (Figure 8).

The correlation between the measured standing biomass and Cibo Labs estimates and
their respective linear regression plots with R2, mean absolute error (MAE) and root mean
squared error (RMSE) are shown in Figures 9–12.
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Figure 10. Relationship between the measured standing green and Cibo Labs estimate. Orange line
is 1:1 and blue regression is line of best fit. Mean absolute error was 703 kg DM/ha and root mean
square error was 880 kg DM/ha.

Figure 11. Relationship between measured total standing dry matter and Cibo Labs standing green
estimates. Orange line is 1:1 and blue regression is line of best fit. Mean absolute error was 686 kg
DM/ha and root mean square error was 851 kg DM/ha.
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Figure 12. Spatiotemporal variability in pasture biomass across Okehampton. Smaller plots (ex-
panded) represent regenerative grazing treatments, while the larger plots were conventional (business-
as-usual) grazing treatments. Vaults plots 1 to 5 are shown in the lower-left expanded view, while
Bougainville plots 1 to 4 plots are at the upper-right expanded view.
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3.3. Spatial Maps Derived from Sentinel—2 Imagery and Cibo Labs Model

Cibo Labs derived Sentinel-2 maps for the treatment plots at Okehampton, Triabunna,
Tasmania show spatiotemporal changes and the variability (within and across) in pasture
biomass levels in all the treatment plots including control for pre-grazing and post-grazing
activities such as the time series plot discussed in Figure 7. Cloud-free Sentinel-2 imagery
to quantify the available pasture biomass against the ground measurement collected on 13
January 2022 before grazing the fields (paddocks) was on 5 December 2021. This makes a lag
of 40 days between the available cloud-free satellite imagery and the ground measurement.
All treatment plots started with more pasture biomass before grazing. All fields were
grazed in phase 1 and left to rest for three months. All fields were grazed in phase 1
and left to rest for three months. After rest, the ground measurement collected on 26
April indicates the treatment plots have not recovered in autumn (proximal Sentinel-2
imagery available on 24 July). However, satellite imagery available on 3rd July against the
measured pasture biomass collected on 5th July shows the plots (Vault and Bougainville)
show increasing TSDM during winter. The map indicates Bougainville 1 (bottom) is the
least-performing treatment plot with reference to phase 3 of the experiment. The maps
correspond to Figures 3 and 4 and the modelling time series in Figure 7. As shown earlier
(Figures 3 and 4), the map confirmed that Bougainville 1 is the least-performing plot.

4. Discussion

4.1. The Effects of Regenerative Grazing on Pasture Biomass Productivity, Consumption
and Trampling

This study examined the effect of regenerative grazing treatments (i.e., short, intense
grazing and rest periods) with smaller plots (less than 1 ha) on pasture productivity,
consumption, and trampling. In the treatment plots examined, regenerative grazing did
not influence pasture biomass productivity in the wet year of 2022. All treatment plots,
including the ones used for conventional grazing (control), have similar results (Figures 3–6).
ANOVA and generalized linear models (GLM) showed no significant association between
treatment plots and pasture biomass productivity (TSDM). However, there were significant
differences when the date of grazing was used as an effect of treatment (Section 3.1). GLM
model shows a strong statistical significance exists only with the treatment plots (i.e., Vault
1, Vault 2, Vault 3, Vault 4, Vault 5, Bougainville 2, and Bougainville 4) associated with the
post-grazing event of 27 January 2022 (Section 3.1). Therefore, this study concluded that
the variability in the TSDM can only be explained by the treatment plots associated with
the post-grazing regime in phase 1 of the experiment. The time series charts in Figures 3–6
confirm that although all treatment plots exhibited similar results, Vaults 4 and 5 showed
significant variability with pasture biomass productivity. Similarly, the Bougainville 2, 3,
and 4 plots benefited from rainfall to produce more biomass in the spring [53].

The effect of resting interval (3, 6, 9, 12, and 15 months) for TSDM to recover in the plots
did not contribute to biomass variability (Figures 3 and 4). The main effect of treatment
in the plots is associated with the high stocking rate, which resulted in a high volume of
trampling residual (i.e., 27 January 2022). This implies that the actual biomass utilised
(i.e., TSDM minus trampling residual) for grazing in the treatment plots was significantly
low (Figure 3). In all treatment plots (including the BAU), the recovery or productivity of
TSDM from summer through spring due to increasing rainfall followed a similar pattern
(Figure 4). This showed that the influence of weather contributed to biomass recovery in a
similar way, thereby confounding the effect of other treatments. For example, there was no
significant difference between the Vault 4 treatment, which was grazed every three months,
and Vault 5 with 15 months of rest. Similarly, there was no significant difference between
Vault 1 treatment with 12 months grazing plan and the Vault 4 plot (Figures 3 and 4).

The present study has shown that although grazing through an intensive or conven-
tional approach reduces pasture biomass [13], intensively grazed paddocks/fields through
a regenerative strategy provide pastures with adaptive management for quick biomass
recovery and reduction in bare ground. The plot (Vault 4) subjected to three months of
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resting interval utilised residual biomass from the trampling effects of grazing and opti-
mum weather conditions to produce the highest volume of standing green DM over other
treatment plots (Figure 5). Therefore, we conclude that Vault 4 is the treatment plot with the
best pasture biomass productivity. In contrast, the Vault 5 treatment plot with 15 months of
resting interval produced the highest standing dry DM compared to other plots (Figure 6).
The pasture biomass produced is actively senescing from a lack of utilisation.

We emphasise that the impact of favourable weather confounded the effect of treat-
ments on pasture biomass variability or biomass recovery. Hence, the resilience of pasture
biomass to drought could not be established. A longer resting interval is not recommended
in a situation such as this with good weather conditions. An earlier study under a simu-
lated environment of rainfall and other treatment variables considered a 30-day resting
period insufficient to recover soil samples from trampling caused by intensive grazing
rotation [54]. Although this and few other studies approached regenerative grazing in the
sense of soil recovery [54–57], the same principle as the strategy employed here (pasture
biomass utilisation) is used to stimulate microbial activities and soil functions. However,
this study is the first to use an approach where the experiment conditions followed natural
processes with no farm inputs (fertilizer, irrigation etc.) and a simulated environment.
Our results indicate that post-grazing data provides an incentive to determine the effect of
trampling, which according to the analysis in this study, is limited. Trampling residual data
provides information about the actual biomass utilised by the grazing livestock, which in
turn gives insight into liveweight gain [54]. Furthermore, the actual biomass utilised for
grazing is negligible compared to the trampled residual. Therefore, to minimise biomass
wastage through trampling while achieving regenerative grazing sustainability [8], future
work will focus on adjusting the stocking density to accommodate more grazing days (3
to 5 days). This is because, in practice, one day of grazing may be infeasible [54] with
limited land resources and logistical constraints. In addition, having 3 to 5 days of ad-
justable stocking rate instead of 1-day grazing would support a more effective intensive
rotational grazing regime within a multi-paddock system. Future research opportunities
exist in understanding the resting period that will be sustainable to recover pasture from
the trampling effect.

4.2. Satellite Estimates of Pasture Biomass

In this study, we examined the usefulness and accuracy of PastureKey, an application
from the Cibo Labs, and derived from 10 m resolution Sentinel-2 imagery estimates of total
standing dry matter to support regenerative grazing at the farm level. The usefulness of
the tool was examined with respect to capturing TSDM (standing green DM and standing
dry DM) variability in the treatment and business-usual plots, similar to the one obtained
by the destructive sampling approach. The accuracy of the Cibo Labs (used instead of
PastureKey for convenience) was then examined by performing regression analysis on the
interacting variables (standing green DM, standing dry DM, and total standing dry matter)
with the sampled biomass.

Satellite estimates derived from the Cibo Labs model are within the sampled biomass’s
variability for all treatment plots except the control (Figure 7). There is a closer correlation
and high variability in TSDM with the Vault 4 plot, which has three months of resting
interval and grazing treatment than other treatment plots. The standard error bars show
that the measure of variability with the sampled biomass (Figure 7) correlates with the post-
grazing event of 27 January 2022 for treatment plots Vault 3, Vault 4, Vault 5, Bougainville
2, and Bougainville 4, similar to the statistical (GML model) result obtained in Section 3.1.
Therefore, Cibo Labs derived from Sentinel-2 imagery can monitor the spatiotemporal
variability associated with TSDM for all post-grazing events and the plot (Vault 4) with
a regular regenerative grazing plan at the farm level. The Vault 5 plot with the 15-month
resting interval has the highest degree of uncertainty compared with other plots. In
addition, our findings reveal that Sentinel-2 imagery can account for the trampled residual
as in Vault 5, where the TSDM is zero against the trampled biomass (high volume of lying
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biomass) for the post-grazing event on 27 January (Figure 7). The total trampled residual
in this plot was 11,072 kg DM/ha compared to 1004 kg DM/ha of Cibo Labs estimated as
TSDM. While the Cibo Labs Sentinel-2-derived model could provide useful information
about regenerative grazing for the treatment plots the plots used for conventional grazing
(BAU) (Lower Bougainville, Upper Bougainville, and Vault Control) are challenging to
estimate (Figure 7).

Regarding the accuracy of the Cibo Labs estimates, the model underestimated the
total TSDM in all treatment plots with MAE of 745 kg DM/ha and RMSE of 903 kg DM/ha
(Figures 7 and 9) and overestimated the standing green DM (Figures 8 and 10). In addition,
the model significantly underestimated the standing dry DM. (Figures 8, 11 and 12). The
overestimation of the standing green DM and underestimation of the standing dry DM by
the Cibo Lab model reveals that the model calibration is too sensitive to green vegetation
and less to dry vegetation. In spring, when biomass growth reached optimum, the model
underestimated TSDM in all plots but performed better in the Bougainville plots. The
performance of the Cibo Lab model in Bougainville 2, 3, and 4 plots in spring is associated
with the slopy hill, which influences the vegetation growth, distribution, and variations
in biomass and productivity [58]. In the same way, the underestimation of TSDM in all
plots in spring was caused by environmental conditions [16,59] (excess rainfall and soil
type), which were not considered during model calibration. In general, the confounding
influence of rainfall discussed in Sections 3.1 and 4.1 hardly substantiated any variability
in the treatment plots [60]. The fact that there was no statistical interaction between the
treatment plots themselves and TSDM except with the grazing dates where we found
strong evidence of significant difference with 27 January 2022, shows that there would
have been a better correlation between satellite estimates and measured biomass with more
post-grazing events. However, the time series charts (Figures 7 and 8) show Sentinel-2
imagery and predictive machine learning model can provide estimates of pasture biomass
in monitoring regenerative grazing at the farm level. Such estimates are available as a
spatial map providing management decisions per plot as an indication of available pasture
biomass. Previous work has demonstrated the capability of machine learning to derive
pasture estimates from Sentinel-2 imagery at the farm level [16,28], though not applied to
regenerative grazing schemes.

4.3. The Feasibility of Using Sentinel-2 Imagery to Estimate Total Standing Dry Matter

Here, we demonstrated that Sentinel-2 imagery could be used to retrieve TSDM,
standing green DM, and standing dry DM through a simple but powerful predictive
machine learning to support regenerative grazing that considers a regular grazing and
recovery period. To the best of our knowledge, this study is the first to examine this
approach at the farm level. However, cloud constraints are one of the major limitations to
model performance accuracy in this study. Tasmania is considered a medium-high latitude
environment [45]. Despite using smaller fields of less than 1 ha, clouds over Tasmania
hindered the consistent availability of Sentinel-2 imagery to feed the predictive machine-
learning model used in this study. The lag effect between the available Sentinel-2 imagery
and the sampling date ranges from 2 to 40 days (Figure 12). Earlier work supports the
argument that time lag effects between field sampling and data from the satellite are a
potential source of error to model performance [61–63].

Although the model could retrieve TSDM through inherent Sentinel-2 SWIR band
inclusion [19], the association between Cibo Labs TSDM and standing dry DM shows a
weak relationship (Figures 11 and 12). Summer is characterised by a high concentration of
senescence (Figures 7, 8 and 12) intermixed with green vegetation. Hence, it is challenging
to distinguish senesced from healthy vegetation despite the high spatial resolution of
Sentinel-2 satellite [64].

A future optimisation study on estimating TSDM with a similar predictive machine
learning model will consider more robust ground/field samples that will complement
observation satellite data to improve accuracy. In the present study, the number of data
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available was limited to the summer of 2021 through the spring of 2022 on one farm. The
review of [22] suggests that the accuracy of machine learning approaches in estimating
aboveground biomass depends on the data source, the number of ground/field samples,
pasture species composition, and addressing the errors associated with the algorithms.
The improvement of pasture biomass prediction with the ANN algorithm from a similar
study on five farms in Tasmania was based on the inclusion of more input parameters
(meteorological data) to achieve 0.60 [16]. Sentinel-1 imagery, a synthetic aperture radar,
may help address cloud constraints and saturation of optical instruments in cases where
limited field datasets are available to estimate pasture biomass [65]. In addition, the
frequency of Sentinel-2 imagery can be enhanced by interpolating a daily revisit high
resolution of Planet Lab to account for missing data [64,66].

5. Conclusions

We conclude that regenerative grazing with short recovery periods (3–6 months) was
most conducive to increasing pasture production under high rainfall conditions. In the one-
day grazing treatment, sheep could not exploit selective grazing, but rather the trampling
of pasture biomass, which is caused by the disturbance from the high stocking density
in the treatment plots. The trampled residual from the post-grazing event was found to
be statistically significant, thus, providing an insight into the source of variability in the
treatment plots. In the one-day grazing, an insignificant biomass volume was utilised.
Therefore, being one of the pioneering studies in this field, there is an opportunity for
future research to understand the effect of regenerative grazing in drought or in a year
with moderate rainfall. More work is needed to understand the effects of more grazing
days (3 to 5) to make regenerative grazing sustainable. Additionally, more robust data on
post-grazing should be considered since it is the main effect in the current study.

This study demonstrated that a predictive machine learning model could be devel-
oped using Sentinel-2 time-series imagery to estimate TSDM, standing green DM, and
standing dry DM to support regenerative grazing at the farm scale. Although the model
underestimated TSDM in all the plots, it is within the variability of the measured biomass.
Specifically, the model could explain the variability in biomass for the plot (Vault 4) with a
regular grazing and recovery period. Furthermore, the model could show the treatment
plot (Vault 5) with the highest level of variance. Our subsequent study will use more
timely imagery (PlanetScope) with radar imagery (Sentinel-1) with the aim of overcoming
some of the limitations associated with the present study, including less frequent satellite
pass-overs, as well as a lack of cloud-free images.

We conclude regenerative grazing with shorter recovery periods in wet seasons is
more likely to improve grassland productivity, however, this result remains to be seen in
drier seasons (e.g., El Nino). We also showed promise in machine learning with satellite
imagery at very small field sizes, and we encourage further research into this area.
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Abstract: Grasslands represent an essential part of terrestrial ecosystems. In particular, coastal grass-
lands are dominated by the influence of environmental factors resulting from sea–land interaction.
Therefore, coastal grasslands are extremely heterogeneous both spatially and temporally. In this
review, recent knowledge in the field of biotic interactions in coastal grassland soil is summarized.
A detailed analysis of arbuscular mycorrhiza symbiosis, rhizobial symbiosis, plant–parasitic plant
interactions, and plant–plant interactions is performed. The role of particular biotic interactions in the
functioning of a coastal grassland ecosystem is characterized. Special emphasis is placed on future
directions and development of practical applications for sustainable agriculture and environmental
restoration. It is concluded that plant biotic interactions in soil are omnipresent and important
constituents in different ecosystem services provided by coastal grasslands.
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1. Introduction

Grasslands form a large and essential part of terrestrial ecosystems in terms of occupied
area as well as for both biodiversity maintenance and functional importance. Thirty
years of progress in grassland ecosystem research has been reviewed recently, and it was
revealed that grassland ecology and grassland ecosystem services were among the two
most productive directions of research [1].

There is no doubt that grasslands are hotspots of plant diversity and important compo-
nents of ecosystem service. In particular, carbon sequestration potential in grassland soils
has been recently addressed and its global role has been emphasized [2]. Most importantly,
interactions between plant and microbial diversity were recognized as the main driving
force in carbon storage. Recently, there have been more attempts to make functional gener-
alizations of grassland existence related to changes or gradients of environmental factors.
For example, the belowground characteristics of plants—presence of clonal growth organs,
vegetative buds, fine root spread—have been related to the degree of water availability in
grasslands [3]. There has been an increasing awareness of the fact that precisely functional
interactions involving plants and their diversity are important drivers of plant distribution
and multiple ecosystem services in grasslands [4,5].

Among different grassland types, coastal grasslands are unique in that they are habitats
where the influence of marine and terrestrial determining factors combine. On the other
hand, both coastal areas and grasslands are important in their own right from the point of
view of global ecosystem functioning. Conservation of coastal habitats in Europe has been
an object of continuous scientific attention in the recent decades [6]. In a broader context,
coastal habitats in general and coastal grasslands in particular play an important role in
providing ecosystem services. Much attention has been focused on analysis of ecosystem
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services in the context of grasslands [7]. However, coastal grasslands have often remained
underrecognized in the analysis of European grasslands [8].

Biotic interactions in soil have been a relatively understudied aspect of functioning of
coastal grasslands, but considerable evidence on adaptive importance of these interactions
has accumulated from studies performed in other grassland types as well as in controlled
conditions. For example, microbial symbioses with plants have been emphasized for their
importance both in vegetation establishment and resilience [9]. Moreover, the contribution
of biotic interactions to ecosystem services in general is an aspect that is not widely rec-
ognized. However, several aspects of changes in ecosystem services provided by coastal
grasslands have been analyzed, including abandonment of grazing [10].

Within the framework of this review, an attempt will be undertaken to clarify whether
there is a reason to believe that biotic interactions in the soil are determinants of the di-
versity and resilience of coastal grasslands and if these interactions can make a significant
contribution to ecosystem services. In particular, answers will be sought for the following
questions: (i) what types of biotic interactions with possible effects on vegetation compo-
sition, productivity, and resilience in coastal grasslands exist; (ii) why biotic interactions
in coastal grasslands are important for ecosystem services; (iii) what future studies are
necessary, and what are the perspective practical applications?

2. Heterogeneity of Environmental Conditions in Coastal Grasslands

In this section, it will be briefly analyzed how coastal grasslands differ from the other
types of grasslands and why these differences are important for biotic interactions in soil.
Except location in the immediate vicinity of the seashore and presence of grass and legume
species, the definition of “coastal grasslands” might seem like an artificial construct, mostly
because of the high heterogeneity of environmental factors leading to extreme diversity
and fragmentation of coastal grassland habitats. Primarily, both spatial and temporal
variability in soil edaphic conditions have been studied in coastal habitats, and they also
clearly affect biotic interactions in the soil [11,12]. On the other hand, it is likely that it is the
heterogeneity of soil conditions that accounts for the remarkable diversity in plant species
that generally characterizes European temperate grasslands [13]. In addition, it has been
suggested that grasslands with higher richness in plant species can buffer the negative
effects of environmental heterogeneity on productivity [14].

Unlike other types of grasslands, coastal grasslands are dominated by the influence
of environmental factors resulting from sea–land interaction. Analysis of these factors is
beyond the scope of this review, but it is necessary to understand how the main types
of coastal grasslands are formed due to differences in prevailing conditions. In general,
substantial differences in water regime related to geomorphological and littoral processes
determine the formation of two main types of coastal grasslands. Dune systems are formed
on sand-accumulating active coasts, whereas grasslands form as a continuation of fixed
dunes, and the most characteristic dominant environmental factor is drought. On less
active non-accumulating shores, grasslands form as a continuation of salt marshes or may
already be found in the beach area.

As a result, dominating environmental conditions in fixed-dune-associated and salt-
marsh-associated coastal grasslands are fundamentally different. To a large extent, this
applies to the soil moisture regime (drought vs. flooding) and potential exposure to
salinity (occasional surface spray with seawater vs. periodic inflow of saltwater). In
any case, coastal grasslands are subject to sharp fluctuations in environmental conditions
over time and large spatial variations even over short distances, and in general form a
highly dynamic and heterogeneous system. From the perspective of functional analysis
of coastal grasslands, such differences explain the fact that conventionally dry (associated
with dunes) and relatively wet (associated with beach or salt marshes) grasslands are
considered separately.

A European-scale study has confirmed that dune perennial grasslands are significantly
affected by local climatic conditions, resulting in differences in plant species composition
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and distribution [15]. Mean annual temperature and mean annual precipitation appeared to
be the main climate variables affecting floristic variability and community structure. Seven
groups of grasslands in different geographical areas have been identified from north to
south along an increasing temperature gradient, namely Baltic, North Sea, Atlantic, North
Adriatic, Black Sea, South Atlantic, and Mediterranean–Atlantic. It appears that dry coastal
grasslands associated with fixed dunes are more vulnerable to global climate change as
rising temperature and changes in precipitation patterns can significantly affect species
distribution, composition, and abundance [15]. For example, air-borne nitrogen deposition
in stable dune grasslands results in a drastic decline in herbaceous species at the expense of
dominance of fast-growing grass species [16].

There is not much research on the relationship between environmental heterogeneity in
coastal habitats and plant taxonomic and functional diversity [17], but recent attention has
at least focused on general aspects of environmental heterogeneity in terms of ecosystem
services [18].

3. Diversity in Biological Interactions in Coastal Grasslands

Diversity in microbial interactions in coastal soils and important functional aspects for
vegetation establishment and maintenance have been reviewed recently [19]. It is important
to note that the main dichotomy between dune- and wetland-associated grasslands in the
coastal zone is also reflected by major differences in microbial processes. While sea-water-
affected wetland grasslands are characterized by high microbial activity and a high rate
of mineralization of organic matter [20], microbial processes in dry grasslands are less
active [21]. The complexity of the ongoing microbial processes and their dependence on the
heterogeneity of conditions are characterized by ambiguous changes under the influence of
complex environmental factors. For example, functional aspects of the nitrogen cycle in
coastal habitats are especially affected by the influence of saltwater inflow. While flooding
itself results in higher denitrification activity [20], an increase in salinity in freshwater-
adapted wetlands leads to a decrease in denitrification rates [22]. However, in saltwater-
adapted wetlands, the opposite effect may be observed, namely that intermediate salinity
results in an increase in denitrification activity while freshwater intrusion results in almost
complete loss of denitrification capacity [23]. These results point to the existence of special
adaptation of a consortium of denitrifying microorganisms to a specific salinity level
and indicate that hypersaline soils can be used as a source of such resistant strains for
practical purposes.

It seems that decomposition of organic matter in coastal grasslands is similarly ex-
posed to the effects of moisture regime and salinity. A community of saprotrophic fungi is
a main decomposer of organic matter in grasslands, but bacterial decomposers participate
mainly in degradation of relatively labile compounds [24]. Most importantly, microbial
communities dominated by fungi shift to bacterial dominance as a result of increased
salinity [25]. Many microorganisms involved in decomposition of organic matter produce
biologically active substances with beneficial effects on plant growth as hormone-like
substances or elicitors of defense responses [26]. There is no doubt that free-living microor-
ganisms are important both for establishment of vegetation in coastal habitats as well as in
adaptation of plants to heterogeneous conditions [27], but the main focus of the present
review is on symbiotic interactions between plants and microorganisms and on plant–plant
relationships, including the ones with parasitic plants.

Aside from mycorrhizal fungi, microbial endophytes represent another group of or-
ganisms forming intimate relationships with plants. In particular, fungal endophytes are
considered to be important in adaptive responses, including abiotic stress tolerance [28].
However, in order not to complicate the picture and also considering the fact that endo-
phytes are found in all parts of the plant, not only in the soil-bound roots, this aspect of the
biotic interaction will not be further analyzed.
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4. Mycorrhizal Symbiosis in Coastal Grasslands

4.1. Mycorrhizal vs. Non-Mycorrhizal Plants

For relevant information regarding classification of mycorrhizal associations, as well
as characterization of functional aspects of mycorrhizal symbiosis, readers are invited
to consult recent articles [29–31]. It needs to be mentioned, however, that, in grassland
habitats, arbuscular mycorrhizal symbiosis is of primary importance, but there are also
other types of mycorrhiza present, such as orchid mycorrhiza.

Most importantly, in order to understand the importance of mycorrhizal symbiosis,
we should first determine whether mycorrhizal symbiosis is a widespread phenomenon in
coastal grasslands. On the one hand, abundance, frequency, and anatomical diversity in
mycorrhizal associations have been assessed in different coastal habitats, including grass-
lands [32]. On the other hand, a number of studies show the importance of mycorrhizae
in the adaptation of plants to environmental factors, which are characteristic of coastal
grasslands. For example, there is a considerable amount of research on the importance of
mycorrhizal symbiosis in halophytes and its potential to increase salt tolerance in glyco-
phytes. Interestingly, the first observations on mycorrhizal symbiosis in wild plants were
from studies in coastal salt marshes and included several halophytic species [33].

One of the problems in assessing the functional importance of mycorrhizae in coastal
grasslands is related to the limited universal nature of mycorrhizal symbiosis. This man-
ifests as a low mycorrhizal intensity in different situations or even the appearance of
non-mycorrhizal plant taxa. It needs to be emphasized that it is generally accepted that a
relatively low degree of root mycorrhization does not automatically mean little functional
importance, and, since the intensity of symbiosis is a highly variable quantity, it is easy to
overlook the situation when individuals of a given plant species show significant signs
of mycorrhization. Thus, even species described as non-mycorrhizal, such as Triglochin
maritima, showed mycorrhizal structures in roots, such as vesicles and arbuscules, sug-
gesting the presence of functionally active symbiosis but with relatively low intensity [32].
However, this species did not show any signs of mycorrhizal colonization in the previous
studies [34], and genus Triglochin has been considered to be non-mycorrhizal [35]. Seasonal
changes in mycorrhizal colonization showed that, in roots of Triglochin maritima, plants’
intensity of mycorrhizal symbiosis increased from less than 5% in May to 25% in July, but
the presence of arbuscules was very low in May and June but increased to 15% in July,
reaching 25% in September [11]. Therefore, it can be hypothesized that the two dominant
environmental factors are associated with the low intensity of mycorrhizal symbiosis on
plants in relatively moist coastal grasslands, namely high salinity and soil flooding. These
aspects will be analyzed further.

Given the fact that several plant families with significant halophyte occurrence (Ater-
aceae, Brassicaceae, Chenopodiaceae, Carophyllaceae) have been reported as essentially
mostly non-mycorrhizal [35], the question of the general importance of mycorrhizal sym-
biosis in salt-affected habitats remains open.

4.2. Mycorrhizal Fungal Community Structure

Assessment of genetic diversity in arbuscular-mycorrhiza-forming fungal communi-
ties is an important aspect of microbial ecology. Because mycorrhizal fungi are associated
with particular plant species and are subject to seasonality and environmental conditions,
both the diversity and occurrence of mycorrhizal fungi are highly variable. Ecosystem-level
comparison of different studies on the community structure has revealed that some Glom-
eromycota taxa are found globally, while others can be found only in certain ecosystems [36].
Ecological aspects of arbuscular mycorrhizal symbiosis in halophytic plant species have
been reviewed, and it has been suggested that diversity in mycorrhiza-forming fungi seems
to be more complex than usually assumed [37].

Only some studies so far have addressed community structure of mycorrhizal fungi in
coastal grasslands. Using mycorrhizal roots of a single common plant species, Hieracium
pilosella, high spatial diversity in fungal phylotypes was found in a sandy coastal grass-
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land [38]. However, even a single root fragment from an individual plant contained almost
all genetic variation found within the whole area. Most importantly, it was shown that
there is a possibility that a single individual non-sporulating mycelium might cover an area
at least 10 m in length. In another study, it was tested if the dominant mycorrhizal fungal
strains found in roots of Hieracium pilosella can colonize individuals of other abundant
plant species, Hypochaeris radicata, Thymus serphyllum, Artemisia campestris, and Armeria
maritima [39]. As was expected, the dominating strains were found in root fragments of
all five plant species but with spatial differences in intensity of occurrence. Therefore, it
was concluded that presence of dominant fungal strain is an indication of presence of
interconnecting mycelial mycorrhizal network in a coastal grassland.

The effect of changes in various environmental factors on the structure of mycorrhizal
fungal communities in coastal grasslands has been studied very little. It should be assumed
that the heterogeneity of dominant factors significantly affects this structure. Thus, changes
in community structure of AM fungi have been assessed in respect to reclamation of saline
coastal lands, and it was shown that vegetation succession following reclamation results in
a decrease in overall fungal diversity and a shift from dominance of Acaulosporaceae and
Gigasporaceae to Glomeraceae [40]. In salt-affected coastal plains, the community structure
of arbuscular mycorrhizal fungi was strongly affected both by soil salinity and pH [41]. In
a coastal dune ecosystem, diversity in mycorrhizal fungi was clearly segregated between
the seaward (wind-disturbed) and landward (stabilized) slopes of dunes [42]. Therefore,
it was concluded that zonal distribution of both abiotic and biotic (including host plant
species) factors are determinants of the fungal community structure.

In addition, apart from genetical diversity, functional variability of mycorrhizal fungi
seems to be important for the outcome of the effectiveness of the symbiotic relationship.
Thus, it was shown that even communities of arbuscular mycorrhizal fungi with rela-
tively low diversity may have significant functional heterogeneity [43]. Such characteristic
features refer both to the nature of hyphal growth pattern and the intensity of mineral
uptake, and they could also be important in maintaining the diversity in coastal grasslands,
especially in mineral-poor soils, such as dune-associated grasslands.

4.3. Mycorrhizal Symbiosis in Resource Acquisition

It is generally accepted that typical mycorrhizal plants provide fungal partners with
sugars and vitamins, receiving in return water and minerals, mostly N, P, and K [44,45].
However, terrestrial orchid species have so-called mixotrophic type of nutrition and are
dependent on the mycorrhizal partner at certain stages of development and receiving
sugars and vitamins from it. Nutrition of mycoheterotophic achlorophyllous plants occurs
in the same way. Due to the potentially beneficial effect of the interaction on both partners,
mycorrhizal symbiosis is designated as mutualistic and therefore essentially positive.

However, it must be remembered that mycorrhizal symbiosis is not always entirely
mutualistic. While usually both partners benefit from the interaction, a continuum of
mutualism–parasitism exists in nature [46]. The relationship can be shifted towards par-
asitism due to the genetic specificity of the particular plant–fungus interaction, or it can
be induced by plant developmental stage or environmental factors. Some studies per-
formed with grassland species in controlled conditions indicate that the nature of the
mycorrhizal interaction may change differentially depending on the specific situation.
Typical grassland species differentially responded to mycorrhizal colonization depending
on their relative abundance: dominant species Taraxacum officinale and Agrostis capillaris
were more negatively affected by parasitic-oriented strain of Glomus intraradices, but less
abundant (subordinate) species Prunella vulgaris and Achillea millefolium were not negatively
affected by the fungus [47]. Thus, plant hierarchy in grasslands can be significantly affected
by the presence of particular taxa of mycorrhizal fungi. Moreover, mycorrhizal association
of Hieracium pilosella was clearly beneficial, while it was parasitic for Corynephorus canescens,
especially under species competition [48]. Both high available P concentration in soil and
shade shifted mycorrhizal interaction from mutualistic to parasitic, showing that the costs
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of C sent to symbiont exceeded the benefits from increased mineral nutrient availability
in these conditions. In this respect, it would be important to determine how the saltwater
inundation characteristic of wet coastal grasslands affects the mycorrhizal dependence of
different plant species relative to the mutualism–parasitism continuum, especially given
the differences in salinity tolerance of various plant species.

4.4. Common Mycorrhizal Networks

The concept of common mycorrhizal networks (CMNs) has gained much scientific
interest within recent decades [44,45,49–53]. However, due to obvious technical diffi-
culties, experimental evidence for existence of CMNs in nature is still scant. Instead,
studies of varying degrees of complexity are conducted in different model systems under
controlled conditions.

Historically, insights into mycorrhizal hyphal associations between multiple plants
began with observations of the specific type of nutrition of achlorophyllous parasitic plants,
mycoheterotrophy, where reduced carbon substances are received from a mycorrhizal
partner, associated with an autotrophic plant [54]. Later, with the discovery of the presence
of long-branched extraradical hyphae present in both ectomycorrhizal and arbuscular
mycorrhizal associations, the understanding of the potential globality and functional
importance of the mycorrhizal network expanded significantly.

The importance of non-mycorrhizal plants (non-host plants) in CMNs has been re-
cently reviewed [55]. In particular, it was concluded that only fungal hyphae from already
established mycorrhizal symbiosis can penetrate roots of non-host plants, without forma-
tion of any characteristic symbiotic structures. Usually, non-host plants are negatively
affected by this type of interaction, and effects on systemic resistance are highly likely.

In contrast to unidirectional movement of mineral nutrients towards host plants,
water transport in CMNs is bidirectional and changes during the day [45]. Similarly, it is
proposed that movement in signaling substances by means of CMNs can occur in different
directions [45]. Carbon cycling has been shown to occur in ectomycorrhizal CMNs but is
still controversial in respect to AM networks [50,56]. Therefore, it seems that, apart from
some specific situations (as in the case of mycoheterotophic and mixotrophic associations),
CMNs are less important as a mechanism for sharing mineral resources between symbiotic
plants but rather act as means for information exchange between plants. Thus far, most
evidence on the importance of mycorrhizal networks in plant communication is associated
with studies on ectomycorrhiza-dominated ecosystems [51]. It has been proposed that
stress-associated signals are transmitted more quickly through CMNs if compared to
transfer of resources [56]. However, the chemical nature of the signals is far from clear.
Initially, it was proposed that plant hormones salicylic acid and jasmonic acid are involved
in the transfer of information through CMNs [57]. Recently, scientific information has
begun to accumulate that small RNAs can be involved in important aspects of mycorrhizal
symbiosis [58–60], but evidence for their role in signaling through CMNs is still lacking.

Moreover, recently, a term “hyposphere” was coined to describe a zone of soil around
mycorrhizal hyphae where release of hyphal exudates results in establishment of specific
abiotic and biotic conditions [61], forming similar differences from the bulk soil as in the
case with the rhizosphere. Similar to exudates from plant roots, exudates from fungal
hyphae also have an impact on bacterial diversity and abundance [61].

Continuum of specificity of mycorrhizal fungi is an important aspect to consider in
respect to development and function of CMNs [52]. Overlap of host plant compatibility for
a particular fungal strain is a critical characteristic for formation of functional CMNs, and,
usually, this feature is found for dominant fungal taxa. Therefore, it is logical to assume
that dynamics of plant communities are strongly dependent on functioning of CMNs, but
empirical evidence for coastal grasslands is still not available. Potential mycorrhiza-related
plant interactions in coastal grasslands are shown in Figure 1.
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Figure 1. Mycorrhiza-related interactions in coastal grasslands. MTP, mixotrophic plant species;
MLP, mycorrhizal legume plant species; MP, mycorrhizal plant species; NMP, non-mycorrhizal plant
species. Mycorrhizal root fragments and mycorrhizal hyphae are shown in red.

4.5. Mycorrhizal Symbiosis in Environmental Resilience

The issue of plant adaptation to heterogeneous environmental conditions is particu-
larly important in grassland systems that are subject to sharp fluctuations in environmental
conditions, such as coastal grasslands. The presence of mycorrhizal symbiosis in coastal
plants has led to the idea of the importance of this type of symbiosis in plant adaptation.
However, there has been a scientific debate on which partner of mycorrhizal symbiosis
is more vulnerable to environmental constraints, plant host or fungal symbiont? Because
there is a concept that mycorrhizal symbiosis is important for the plant to overcome en-
vironmental extremes, one might think that the fungal partner is the stronger side in this
respect. There is no doubt that, similar to plant species specificity in tolerance to par-
ticular environmental factors, mycorrhizal fungal species and strains also differ in their
ability to tolerate unfavorable conditions. Indeed, different mycorrhizal fungal species and
strains show a wide range of tolerance to one of the dominant environmental constraints
in coastal grasslands, soil salinity [62]. More specifically, spore germination was delayed
in the presence of NaCl, and, in some cases, the spores did not germinate at all in saline
conditions, but, in others, they reached a maximum germination in the presence of 300
mM salt. Similarly, the rate of hyphal extension of some fungal taxa was even stimulated
in the presence of 150 mM NaCl, but, in general, salinity inhibited hyphal growth to a
varying extent.

Field studies of mycorrhizal symbiosis associated with halophytic plant species in
highly saline habitats and often extremely variable moisture levels have usually revealed
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the presence of functionally active mycorrhizal structures in their roots, however with
variable colonization intensity. Examples of such studies are from Tabriz Plain in Iran [63],
Central European salt marshes [34] (Hildebrandt et al. 2001), Sečovlje solar salterns in
Slovenia [64], and saline soils in Hungary [65]. Seasonal trends in mycorrhizal colonization
have been assessed for halophytes in Hungarian steppe habitats [66] and in saltwater-
affected wet grassland [11]. The results of these studies suggest that intensity of root
colonization is indeed negatively affected by increasing soil salinity, but number of fungal
spores does not depend on the level of salinity. It also seems that environmental factors
that have an impact on host plant physiology also affect fungal symbionts.

Both diversity and composition of mycorrhizal fungi only marginally differed between
halophyte and non-halophyte species growing on salt-affected coastal plains [41]. In a
typical halophyte species well-adapted to intermediate and high salinity, such as Tripolium
pannonicum (syn. Aster tripolium), early stages of symbiotic interaction were more negatively
affected by salinity in comparison to expansion of root colonization [67]. On the other hand,
seasonal changes in intensity of mycorrhizal colonization in roots of several halophyte
species growing in salt-affected grassland (Aster tripolium, Glaux maritima, Plantago maritima,
Trifolium fragiferum, Triglochin maritima) showed negative dependence on fluctuations of
soil salinity [11].

A number of entirely practically oriented studies on improvement in salinity tolerance
in glycophytic crop species as a result of mycorrhizal fungi application are available,
indicating that the use of salt-tolerant fungal strains has great practical potential. Such
strains could be isolated from the rhizosphere of salt-affected coastal grassland soils. In
particular, mycorrhizal inoculation increased plant growth under saline conditions for
Gossypium arboreum [68], Pennisetum glaucum [69], Zea mays [70], Triticum aestivum [71],
Lactuca sativa [72], Lens culinaris [73], and Ocimum basilicum [74]. In some studies, it has
been stressed that the fungal strains used were isolated from saline habitats [70]. In one
case, effect of two isolates of Glomus mosseae, either form non-saline or saline soil, were
compared, and it was shown that, contrary to what was initially expected, the isolate from
non-saline soil had a higher capacity to alleviate negative effects of salinity [68].

Similar experiments in controlled conditions have been performed also with some
halophyte species. Thus, it was shown that mycorrhizal plants of grass species Puccinellia
distans had better growth potential under saline conditions due to enhanced photosyn-
thesis and improved ion homeostasis [75]. In addition, mycorrhizal symbiosis affected
accumulation of osmotically active mineral elements, allowing to avoid uptake of Na [76].
In particular, for Trifolium alexandrinum, increased phosphorus uptake in mycorrhizal plants
was associated with their better growth in saline conditions [77]. Nine psammophilic
species native to coastal sand dunes and evidently adapted only to salt spray were tested
for their ability to recover after repeated seawater treatment in controlled conditions when
inoculated with mycorrhizal fungus Glomus intraradices [78]. The intensity of the survival-
promoting effect of mycorrhizal colonization was a distinctly species-specific feature. On
the positive side, mycorrhizal Ammophila arenaria plants showed less than 20% mortality
after fourth application of 100% seawater concentration, while all non-mycorrhizal plants
died after the third application of 100% seawater. From the worst side, mycorrhization
of Dorycinum pentaphyllum plants only marginally improved their survival under diluted
seawater treatment. However, both species showed similarly high mycorrhizal dependency
and high intensity of root colonization by mycorrhizal fungus.

Soil flooding, either with fresh water or seawater, represents another common environ-
mental factor in low-lying coastal grasslands. A number of practically oriented studies on
flooding tolerance of mycorrhizal plants have been performed, including seedlings of Citrus
sinensis [79], Prunus persica [80,81], Pterocarpus officinalis [82], and showing the overall bene-
ficial effect of mycorrhization on flooding tolerance. Improved mineral nutrition, proline
production, and suppression of ethanol production in roots during anoxic conditions were
among the mechanisms responsible for growth improvement due to mycorrhizal symbiosis
in flooded conditions. However, in a study with Oryza sativa, it was shown that, while
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symbiosis activated the phosphorus uptake pathway in a fungal partner, it suppressed
phosphorus uptake of the host plant [83]. As a result, mycorrhizal colonization decreased
shoot phosphorus content in flooded conditions, and the effect of symbiosis was negative.

Closer to the topic of this review, two grass species (Panicum hemitomon and Leersia
hexandra) native to nutrient-poor depressional wetlands in the southeastern USA coastal
plain were used in a wetland mesocosm experiment to determine if controlled water regimes
affect mycorrhizal colonization as well as if colonization affects plant growth [84]. It appears
that intensity of mycorrhizal colonization decreases with increasing water levels even for
species well adapted even to semi-aquatic conditions. However, mycorrhizal viability was
not negatively affected, and symbiotic plants had higher phosphorus uptake even under
flooded soil conditions in comparison to non-mycorrhizal plants. Mycorrhizal colonization
of the same two grass species was assessed in field conditions along a hydrological gradient,
and it was evident that the degree of root colonization decreased with water depth, but this
did not affect number of mycorrhizal propagules in soil [85]. However, even plants growing
in permanently flooded soil retained active mycorrhizal symbiosis in roots. Similarly, the
number of hyphae and spores in soil with Zea mays plants was not affected by extended
flooding in controlled conditions [86]. Other studies also supported the idea that flooding
negatively influences root colonization with arbuscular mycorrhiza, but basic symbiotic
functionality is not affected [67,87]. Similarly, in halophyte Aster tripolium plants, better
tolerance of mycorrhizal plants to flooding was associated with improved osmotic balance
and nitrogen uptake [88].

A field study along a tidal gradient in a mangrove swamp indicated that duration of
flooding period mainly affected the community structure of arbuscular mycorrhizal fungi
and resulted in increased intensity of mycorrhizal colonization [89]. When aquatic species
Polygonum hydropiper and semiaquatic species Panicum repens grown under different hy-
drological regimes were compared in respect to mycorrhizal colonization and mycorrhizal
community structure in natural conditions, it appeared that high flooding intensity led to a
decrease in both mycorrhizal intensity and diversity level in both species [90]. However,
moderate flooding resulted in an increase in mycorrhizal colonization and fungal species
richness only in aquatic species Polygonum hydropiper. Recently, the role of arbuscular
mycorrhizal symbiosis in wetland plants has been reviewed, and it was concluded that
survival and development of these plants in native conditions is highly dependent on
mycorrhizal colonization [91].

It is difficult to generalize a potential role of mycorrhiza in respect to plant adaptation
to soil moisture regime in coastal grasslands due to extreme variability in this factor across
different coastal grassland habitats. However, it is evident that soil moisture regime is
a significant determinant of both mycorrhizal community structure as well as intensity
of symbiosis and its functional properties [92]. On the other hand, there is no doubt
that mycorrhizal symbiosis modulates morphological and biochemical adaptations of
drought-stressed plants, as summarized in the recent reviews [93,94]. As mycorrhizal
colonization usually results in formation of induced systemic resistance of host plants [95],
further studies of specific responses to drought in mycorrhizal vs. non-mycorrhizal coastal
grassland plants are needed.

5. Rhizobial Symbiosis in Coastal Grasslands

Legume plant species (Fabaceae) are of special importance both in natural as well
as agroecosystems due to symbiosis with N2-fixing bacteria. Rhizobial symbiosis in wild
legume plants provides an important contribution to the nitrogen cycle on Earth, being a
part of the biological nitrogen fixation process. From an ecological point of view, shortage in
plant-available nitrogen is one of the factors limiting plant growth in heterogeneous habitats,
such as coastal dunes and dune grasslands [96], and both plant community structure and
productivity are affected by symbiotic rhizobia in these habitats [97]. Additionally, rhizobia–
legume symbiosis is the major type of N acquisition into soil of arid ecosystems [98].
From the perspective of sustainable agriculture, inclusion of legumes in crop sequences
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allows additional fixed nitrogen to accumulate in the soil, increasing plant-available N
pool and in general benefiting non-legumes cultivated in subsequent years and allowing to
decrease application of N-based chemical fertilizers [99]. This allows for efficient use of
low-input agricultural systems. In addition, factors not related to N are also important for
soil sustainability, possibly related to nodule-emitted hydrogen, with further effects on soil
microbial diversity [100]. It is also becoming clear that tolerance of legume crop species to
adverse environmental conditions can be positively affected by rhizobial symbiosis [101].
This aspect is especially important due to global climate change and its negative impact
on agricultural productivity. Possible rhizobial-symbiosis-related interactions in coastal
grasslands are shown in Figure 2.

 

Figure 2. Rhizobial-symbiosis-related interactions in coastal grasslands. L1, L2, symbiotic legume
plant species; NL, non-legume species.

Rhizobial bacteria (Pseudomonadota: α-proteobacteria and β-proteobacteria) are
Gram-negative soil bacteria. As facultative symbionts, rhizobia are freely living in soil
(resident rhizobia) but are able to benefit from forming symbiosis with legume species as
N2 fixation occurs only in symbiotic rhizobia. Competition among soil-resident rhizobia
for nodule formation can lead to formation of completely or partially inefficient N2 fixation
as rhizobial strains with high competitive ability might have low N2 fixation efficiency.
Therefore, it is always necessary to distinguish between nodulation specificity (an ability
to infect a legume to form a nodule) and effectiveness of N2 fixation (an ability of formed
nodules to fix N2). Nodulation specificity seems to be associated with modulation of
plant immunity as a result of developing interaction between the partners [102]. By this
mechanism, hosts can restrict nodulation by even potentially efficient symbionts, resulting
in nodule formation with inefficient symbionts leading to parasitic type of interaction [103].

It appears that nodulation specificity and intensity are determined mainly by a host
plant [104]. Host plants are able to select microorganisms from bulk soils both at the
taxonomic and functional level [105]. Some rhizobia have very high host specificity, such as
the ones forming nodules only on Cicer arietinum, having highly conserved genes involved
in both nodulation and N2 fixation [106]. Some legume hosts (such as Glycine max and
Sophora flavescens) have very low specificity for rhizobia, being nodulated by various
rhizobial species possessing diverse symbiosis-associated genes [107]. In addition, soil
factors (edaphic factors) can further modulate the outcome of the established symbiosis and
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also can have an effect on nodule microbiome, such as, for example, in the case of soil pH
and Trifolium species [108]. Moreover, the importance of plant community effects cannot be
ruled out [109]. On the other hand, metabolically more versatile rhizobial strains, being
capable to use a wide range of energy-providing substrates, are usually more competitive
in contrast to metabolic specialist strains [110]. For Trifolium and other legume genera,
strains with effective N2 fixation have been shown to be more competitive for nodule
occupancy [111,112].

Critical soil conditions (such as low soil moisture, salinization, soil waterlogging, etc.),
whose likelihood of occurrence continues to increase due to global climate changes and
overall anthropogenic pressure, are likely to negatively affect symbiotic N2 fixation in
legume crops [101]. Many rhizobial strains native to local soils or commercially produced
rhizobial products have low efficiency or even low viability in unfavorable conditions;
therefore, they will not provide efficient contribution to the soil N pool necessary for
sustainable agricultural production or to increase soil fertility. Isolation of resilient rhizobial
strains will allow to develop new bacterial products suitable for problematic soils and
highly heterogeneous environmental conditions. Use of local bacterial isolates adapted to
particular (local) environmental and soil conditions is especially desirable for this purpose.
Such an approach can possibly prevent so called ‘rhizobial competition problem’, when
rhizobial strains effective in controlled conditions fail to be successful in field conditions,
being outcompeted by highly nodulating but inefficient indigenous soil bacteria better
adapted to local conditions [113,114].

In the ecological context of ecosystem functioning, there is a reason to believe that
rhizobial symbiosis in coastal grasslands acts as an important determinant factor in interac-
tions both between plant species as well as between plant species and their environment.
While principal empirical evidence exists for the critical role of rhizobial symbiosis in
determining both plant productivity and community structure in dune-associated coastal
grassland derived from microcosm studies [97], similar information is sparse for salt-
affected wetland grassland systems. However, separate studies have shown the ability of
rhizobial symbiosis to promote growth of legume plants under salinity conditions. Thus,
dual inoculation with mycorrhizal fungi and rhizobium stimulated growth and improved
mineral nutrition of salt-stressed Lathyrus sativus plants [115]. Moreover, extreme tolerance
of grassland species Lotus tenuis to drought, waterlogging, and salinity has been associ-
ated with its ability to form early associations both with rhizobia as well as arbuscular
mycorrhizal fungi [116].

Recently, two experiments in controlled conditions have been performed with two
coastal legume species, Trifolium fragiferum from salt-affected wet grassland [117] and
Anthyllis maritima from dry dune grassland [118]. Rhizobial symbiosis was a significant
factor, which determined the nature of the interaction between Trifolium fragiferum and
Trifolium repens [117]. In particular, plant growth was affected by interaction between the
origin of bacterial isolate, NaCl treatment, and species coexistence. It was also concluded
that, in conditions when one legume species has established symbiosis with more efficient
N2-fixing bacteria in comparison to that of other species, the species with less efficient
symbiosis can benefit from this interaction. This mechanism is similar to that described for
interaction between symbiotic legume species and non-legume species [119]. For Anthyllis
maritima, rhizobial symbiosis differentially affected growth and physiological performance
of plants through interaction of salinity and burial with sand [118]. Symbiotic conditions
positively affected photosynthesis-related traits, but the effect was negative for growth and
tissue integrity indices.

Salinity tolerance vs. susceptibility of symbiotic nitrogen fixation in legume species
has been reviewed, with an emphasis on practical use of legumes in saline agriculture [120].
In particular, the list of salt-tolerant nitrogen-fixing plant species was included, showing
that more than 40 legume species have an important potential in this respect. Within the
present review, 11 legume species characteristic for coastal grasslands of the Baltic Sea have
been identified (Table 1). Clover species (Trifolium) from coastal grasslands are especially
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promising targets for assessing both genetical and functional diversity in rhizobial symbio-
sis. T. fragiferum is one of the most resistant clover species with high potential for practical
use. While not economically used in Europe, it is exploited in the USA, Australia, and New
Zealand as a resilient component of temperate perennial grasslands. The species has shown
great tolerance against different unfavorable environmental and anthropogenic factors, and
it can be classified as a crop wild relative, with a potential for use in breeding of tolerant
forage crops. Recently, physiological and genetic diversity in T. fragiferum accessions from
Latvia were comprehensively characterized and it was shown that geographically isolated
wild populations of T. fragiferum from the Baltic Sea region are important as a source of
abiotic-stress-tolerance related genes [121,122]. Especially interesting is the fact that, in
Northern Europe, the species is naturally associated with coastal habitats. T. fragiferum mi-
cropopulations are geographically isolated and can be found in sites with relatively high soil
salinity [123], and their salinity tolerance has been confirmed in controlled conditions [124].
Most importantly, dependence of T. fragiferum plants belonging to different accessions on
their native symbiotic rhizobia was experimentally characterized [125]. Particular host
plant–rhizobia combinations showed significant differences in plant growth stimulation
and N acquisition, pointing to existence of genetic variation in N2-fixing ability within
the bacterial population in the Baltic Sea region. As several of the studied T. fragiferum
accessions are especially tolerant to saline and waterlogging conditions, it is highly possible
that their associated native rhizobia have pronounced tolerance to these conditions. While
rhizobial diversity in other clover species, such as Trifolium repens or Trifolium pratense, has
been relatively well characterized (for example, [126]), there are no previous functional
studies involving rhizobial isolates from T. fragiferum plants. Therefore, further characteriza-
tion and selection of salt- and soil-waterlogging-tolerant rhizobial strains from root nodules
of T. fragiferum plants in the Baltic Sea region is a promising direction of future studies.

Table 1. Legume plant species from coastal grasslands.

Species
Presence in Coastal

Habitats 1 Salinity Tolerance 1 Presence in eHALOPH
Database (Life Form) 2

Anthyllis vulneraria subsp. maritima
(Hagen) Corb. (syn. Anthyllis maritima

Schweigg. ex K.G.Hagen)
0 1 –

Lathyrus palustris L. 3 3 hydrohalophyte
Lotus maritimus L. 6 3 –

Lotus tenuis Waldst. and Kit. ex Willd. 7 4 hydrohalophyte
Melilotus albus Medik. 1 2 annual

Melilotus altissimus Thuill. 1 3 –
Melilotus dentatus (Waldts. and Kit.) Pers. 4 4 annual

Ononis spinosa L. 4 2 –
Trifolium fragiferum L. 7 3 herbaceous perennial
Trifolium pratense L. 1 2 –
Trifolium repens L. 1 2 –

1 Tyler et al. [127]; 2 eHALOPH database (V4.65, https://ehaloph.uc.pt, accessed on 15 May 2023).

6. Plant–Parasitic Plant Interactions in Coastal Grasslands

Several groups of plants have evolved parasitic lifestyles and are benefiting from
direct interaction with common plant species acting as their hosts [128]. In contrast to
mycoheterotrophic parasites, obtaining resources from host plants indirectly through
their symbiotic mycorrhizal partners, haustorial parasites feed directly on host tissues
through modified root homologous structure, haustorium [128]. Differences in the degree
of dependence of the parasite on the host plant determine their further classification, which
is associated with significant functional differences. Parasites requiring attachment to
their hosts for completing the life cycle are known as obligate, while facultative parasites
are being able to reproduce without attachment. In relation to photosynthesis, parasitic
plants are either hemiparasites (being able to photosynthesize) or holoparasites (lacking
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photosynthesis). Regarding the place of attachment of the haustoria to host plant, root
versus stem parasites have been recognized. However, it was recently discussed that,
since some hemiparasitic Cuscuta species possessing chlorophyll derive 99% of organic
carbon from their hosts, the type of functional connection (either to xylem or phloem) is
more important for classification regardless of photosynthetic ability [129]. Therefore, an
alternative classification system of parasitic plants has been proposed based on particular
functional characteristics in the life cycle: euphytoid parasites, mistletoes, parasitic vines,
obligate root parasites, and endoparasites [129].

Interactions between parasitic plants and their hosts have gained recent scientific
interest mainly for several practical reasons. First, several parasitic plants are economically
important weeds to crops, such as species of Orobanche and Striga [130]. Second, hemipara-
sitic plants of genus Rhinanthus and some other genera are recognized as ecosystem engi-
neers, significantly affecting species diversity and abundance in grassland habitats [131].
However, the relationship between parasitic plants and their hosts could also have a wider
meaning, both in a fundamentally biological sense and in ensuring resilience of ecosystems.

Orobanchaceae is the largest parasitic plant family, with over 2100 species [128].
Facultative hemiparasitic plants (or euphytoid parasites according to the recent system of
classification) of the genus Rhinanthus are photosynthetically active and at least partially
autotrophic but benefit from haustorial contact with host plants as means for uptake of
xylem water together with inorganic nutrients and organic substances. Species of the
genus are widely distributed in grassland habitats. While having only xylem connectivity,
even Rhinanthus spp. are able to obtain a significant part of carbohydrates from their host
plants [132]. Rhinanthus spp. have low host specificity and can use several plant species as
hosts simultaneously [133]. However, plant species differ in their ability to resist parasitic
interactions, which could be dependent on host gene silencing [134]. Aside from the effects
of a parasite on host plants, host plant functional characteristics seem to be important
determinants of the relationship as the morphology of both R. minor and R. angustifolius
plants is shown to be affected by the host species [135,136].

Recently, a role of Rhinanthus species in grassland biodiversity at multiple trophic
levels has been reviewed [137]. It was found that the most common effect is decrease in
abundance and/or biomass of grass species, but the effect on plant species diversity is
either neutral or positive. As grasses are better hosts for Rhinanthus species, an increase in
density of Rhinanthus plants usually linearly decreases both biomass of grasses as well as
cumulative cover of legumes [138]. Due to differences in plant susceptibility to parasitic
plants, competitive ability of hosts is decreased while that of non-host species concomitantly
increases [139]. Therefore, different species of Rhinanthus have been used for restoration of
grasslands in Europe [140]. Other hemiparasitic plant species, such as Pedicularis canadensis
and Comandra umbellata, can be used for grassland restoration in different parts of the
world [141].

Thus far, communications between parasitic plants and their hosts have been ana-
lyzed mostly from the perspective of bidirectional exchange of chemical factors during
establishment of the relationship [142]. Existence of other effects of parasitic plant–host
plant interactions beyond resource transfer are highly possible. A relatively early review
discussed the possibility that transfer of mRNAs from host plant to parasite can affect the
fate of their interaction [143]. In other parasite–host interactions besides Rhinanthus spp.,
exchange of proteins and RNAs is a factor contributing to the development of the interac-
tions and their outcome. Thus, during interaction between Cuscuta spp. and their hosts,
it was found that mRNAs move bidirectionally [144,145]. Most importantly, host-derived
mRNAs are translated to protein in the parasite [146]. In addition, novel parasite-derived
miRNAs target host plant mRNAs [147].

The idea that parasitic plants, similar to these of Rhinanthus spp., parasitizing multiple
hosts simultaneously, might act as founders of common root networks similar to these made
by mycorrhizal hyphae has been expressed recently [148]. In contrast to Cuscuta spp. plant
parasites [149], these types of relationships have not been explored in Rhinanthus–host plant
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associations, and no information is available on three-way interactions between a parasite
and two host plants belonging to different species. It can be proposed that, in addition to
resources, there is an intensive exchange of signals, including small RNAs, between the
parasitic Rhinanthus spp. and its host, which can influence their response to the action
of other environmental factors. Rhinanthus species are commonly found also in coastal
habitats [150], where periodic flooding with seawater is one of the crucial determining
abiotic factors for species coexistence. It can be hypothesized that both species diversity
and resilience in plant associations where hemiparasitic plants are present are positively
affected through exchange of signals by means of a parasite–host network. In particular,
salinity tolerance of non-halophytic plant species can be boosted by presence of halophytic
plant species.

Numerous previous studies have shown the importance of miRNAs in post-transcriptional
regulation of plant responses and tolerance to salinity both in halophytes [151,152] and
glycophytes [153–155], and were reviewed recently [156,157]. In general, it was concluded
that one of the most important miRNA target groups are transcription factors, in turn
having control functions over salinity responses. Therefore, it is highly likely that, in
conditions of salt-affected habitats, including coastal grasslands, transfer of miRNAs by
parasitic plant–host network affects salinity tolerance of individual plants involved in it.

Several parasitic plant species have been described as able to make associations with
halophytic plant species, including obligate holoparasite Cynomorium coccineum [158,159],
Cuscuta salina [160], and Cuscuta campestris [161]. Interestingly, transmission of Na and Cl
ions from host plant to mistletoe parasite Plicosepalus acaciae under increased salinity has
been shown, and it was concluded that the parasite can be classified as euhalophyte [162]. In
this respect, no information is available on putative salinity tolerance and ion accumulation
potential of Rhinanthus spp., but it can be expected that Rhinanthus serotinus accessions
found in salt-affected grasslands will have considerable salinity tolerance, at least when
parasitizing on halophytic hosts.

In temperate coastal grassland plant communities, several hemiparasitic plant species
of family Orobanchaceae are relatively common (Table 2, Figure 3). There is no information
available if obligate plant species can be found in coastal grasslands, but these are frequently
found in coastal salt marshes [160,163,164]. Interestingly, potential hemiparasitic plant
species from coastal grasslands appear to be non-mycorrhizal (Table 2). Only plants
from genus Pedicularis have been reported as facultatively mycorrhizal [35]. Potential
plant–parasitic plant interactions in coastal grasslands are shown in Figure 4.

Table 2. Hemiparasitic plant species of family Orobanchaceae from coastal grasslands.

Species
Presence in

Coastal Habitats 1 Salinity Tolerance 1 Presence in
Coastal Habitats 1

Mycorrhizal
Status 2

Euphrasia nemorosa (Pers.) Wettst. 1 2 – NM
Euphrasia stricta J.P.Wolff ex J.F.Lehm. 1 2 – NM

Melampyrum arvense L. 0 1 – NM
Odontites litoralis Fr. 10 4 parasite NM

Odontites vernus (Bellardi) Dumort. 3 2 – NM
Odontites vulgaris Moench 2 2 – NM

Pedicularis palustris L. 3 2 – NM-AM
Rhinanthus minor L. 1 2 – NM

Rhinanthus serotinus (Schön) Oborny
(syn. R. angustifolius C.C.Gmel.) 1 2 – NM

NM, non-mycorrhizal; AM, arbuscular mycorrhiza. 1 Tyler et al. [127]; 2 Soudzilovskaia et al., 2020 [35].
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Figure 3. Hemiparasitic plant species found in coastal grasslands. (A) Rhinanthus serotinus together
with Agrostis stolonifera, Centaurea jacea, Phragmites australis, Trifolium fragiferum, Trifolium pratense
in salt-affected wet coastal grassland on island of Kihnu, Estonia. (B) Melampyrum pratense in
coastal grassland on island of Saaremaa, Estonia. (C) Odontites vulgaris together with Agrostis
stolonifera, Centaurea jacea, Phragmites australis, Trifolium fragiferum, Trifolium pratense in salt-affected
wet coastal grassland on island of Kihnu, Estonia. (D) Euphrasia nemorosa in coastal dune grassland
on Pape, Latvia.

 

Figure 4. Parasitic-plant-related interactions in coastal grasslands. PP, parasitic plant species; H1, H2,
different host plant species; NH, non-host plant species.
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7. Plant–Plant Interactions in Coastal Grasslands

The problem of interactions between plants and their role in ecosystem functioning is
not a very often studied problem. However, it has been assessed both experimentally as well
as using synthetic approaches. In general, both competition (leading to detrimental effects)
and facilitation (leading to beneficial effects) are considered as the main general principles
of species interactions [165,166]. In respect to competition for resources, nutrients, water,
and light are considered to have main importance [167]. Interaction between plants beyond
resource acquisition can result from release of chemical substances into the environment as
a result of a process known as allelopathy [168]. The definition of allelopathy includes direct
effects of compounds released by one plant (or plant remains in soil) on other plants, but it
is clearly evident that indirect effects are most common, such as the effect of root exudates
on soil microbial diversity. A recent meta-analysis on allelopathic effects on plants has
revealed that coexistence of taxonomically related species as well as dominance of single
species can be facilitated by means of allelopathy [169]. Moreover, root-emitted volatile
organic compounds are important clues in plant–plant interactions and can significantly
affect plant defense responses [170]. A potential role of allelopathy in grasslands has
been reviewed relatively recently [171,172], and it is evident that allelopathic effects in
coastal grasslands cannot be ignored. On top of that, kin recognition acts as a mechanism
controlling both plant communication and defense [173,174], but this aspect will not be
further analyzed because there are not many studies specifically using coastal-grassland-
related model systems.

It has been hypothesized that positive Interactions between plant species are more
common in less favorable environmental conditions, while competition prevails under
conditions approaching optimum [175,176]. There is some reason to believe that, similarly,
interspecies competition will decrease under more heterogeneous conditions compared
to less heterogeneous ones. Usually, only competition between individuals belonging
to different species is assessed experimentally, but it is evident that both intraspecific
and interspecific interaction need to be considered [177]. Detailed analysis of conceptual
approaches in respect to facilitation, including differences between interspecific and in-
traspecific relationships, has been performed [178]. An additional problem is related to
differences between pairwise vs. multi-species designs in species competition experiments,
clearly indicating that plant interactions in complex plant communities show both additive
and non-additive effects [179]. Diversity in plant–plant interactions in coastal grasslands is
shown in Figure 5.

Grasslands in general have been studied in terms of plant–plant relationships. In
particular, competition between grassland species has been assessed in respect to drought
and heavy rainfall [180] and soil moisture gradient in alpine grasslands [181]. Information
on plant–plant interactions in coastal grasslands is rather limited. More data are available
for associated coastal habitats, salt marshes, and sand dunes. In salt-affected habitats, as in
coastal salt marshes, plant competition is an important mechanism, which determines the
distribution of species along the salinity gradient depending on the salt tolerance of the
plants [182]. While the majority of typical halophyte species are able to grow and reproduce
efficiently in non-saline conditions, they are not able to compete successfully with less-salt-
tolerant species in low-salinity conditions. Therefore, species distribution in habitats with
pronounced salinity gradients reflects their relative salinity tolerance. However, non-tidal
salt marshes and salt-affected wet coastal grasslands are characterized by large spatial
and temporal variation in soil salinity, not allowing for establishment of clear vegetation
patterns [11,183]. Usually, in such habitats, individuals of halophyte species grow next to
individuals of less-salt-tolerant species, suggesting that there are other types of interactions
between these species besides competition.

Facilitation has been assessed in coastal communities, as in the case of established
Honckenya peploides plants forming favorable conditions for germination and emergence of
trapped seeds of Leymus mollis [184]. In addition, an increase in the intensity of sand accre-
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tion for dune-adapted plant species, while it reduced plant biomass, promoted facilitation
between them [185].

 

Figure 5. Diversity in plant–plant interactions in coastal grasslands.

Plant–plant interactions in coastal dunes have been reviewed, and it was concluded
that understanding of this type of interactions is especially important for conservation and
restoration [186]. There is no doubt that the mutual influence of different plant species
at the functional level is also an important aspect for understanding the operation and
resilience of the coastal grassland ecosystem in general.

Plant–plant interactions with possible importance in coastal grasslands are summa-
rized in Figure 5. In addition, all types of biotic interactions in soil analyzed in this review
evidently affect plant–plant interactions, including mycorrhizal [187] and rhizobial symbio-
sis [117,118]. Interactions between parasitic plants and their hosts include also effects on
non-host species and need to be taken into the account when total plant interactions in a
habitat are considered.

It is clear that one of the results of plant–plant interaction is the appearance of species
associations. However, the formation and existence of these associations are usually
examined only from the side of changes in environmental factors, but functional interactions
are seldom analyzed. Only relatively recently, the conceptual basis of molecular aspects of
plant–plant interactions has started to take shape [188]. This section is not mandatory but
may be added if there are patents resulting from the work reported in this manuscript.

8. Conclusions and Perspectives

The performed analysis of information clearly shows that plant biotic interactions in
soil are omnipresent and important constituents in different ecosystem services provided by
coastal grasslands. Not only are supporting and regulating services strongly dependent on
these interactions as affecting primary production, nutrient cycling, invasion resistance, etc.,
but provisioning services can also greatly benefit, for example, from discovery of resistant
symbiotic microorganisms that could be used in provision of agricultural resilience. It is no
less important that coastal grasslands can serve as a source of empirical knowledge about
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the impact of environmental heterogeneity on ecosystem functioning and the importance
of plant interactions in it.

It seems that the coexistence of species in grassland habitats as well as environmental
resilience of these plant assemblages are more directly affected by biotic interactions in
soil than previously thought. Interactive effects of mycorrhiza and rhizobial symbiosis
of legume plants have been assessed, showing that plants benefit more from dual inter-
actions [189]. However, many potentially mycorrhizal legume plants can act as hosts
of hemiparasitic plants. A study of such three-way interactions would be particularly
challenging for salt-affected coastal grassland plants.

Based on analysis of biotic interactions in soil of coastal grasslands, several lines of
research seem to be especially promising, both for the design of experimental systems as
well as choice regarding model plant species. Such general possible research directions
could include the following: role of clonal plants in environmental resilience of coastal
grasslands, as recently analyzed in respect to the role of clonal growth in halophyte re-
sistance to heterogenous salinity conditions [190]; transfer of hormonal signals and small
RNAs between individual organisms by mycorrhizal and parasitic plant networks and their
regulative effect on plant growth and responses to environmental constraints, especially,
salinity and flooding; role of processes of epigenetic memory as mechanisms for fine-tuning
plant adaptation to relatively short-term but persistent changes in environmental condi-
tions in coastal grassland habitats; functional role of symbiotic interactions in adaptation to
highly heterogeneous availability of plant nutrients in coastal grasslands; and many others.

At the level of mechanisms of interaction between plants and their symbiotic microor-
ganisms, as well as between parasitic plants and their hosts, inoculation experiments in
highly controlled conditions can be successfully applied. Simplified experimental sys-
tems, such as aseptically cultivated seedlings or root cultures, seem to be particularly
promising as they enable eliminating undesirable effects of soil-related factors [191–195].
The exchange of chemical and molecular signals between the involved partners and the
functional results can be monitored by means of various molecular biology approaches.
High-throughput sequencing can be used to efficiently sequence transcriptome and small
RNA libraries. Comparison of sequence data from different variants of experimentally
manipulated plant–symbiont as well as host plant–parasitic plant combinations will allow
for identification of differentially expressed genes as well as for possible movement of RNA
molecules between interacting partner organisms. Combined with modern methods of data
analysis, such as statistical network analysis [196,197], such studies will provide an oppor-
tunity to critically evaluate the importance of plant biological interactions in functioning of
ecosystems and the services they provide, including these of coastal grasslands.

From the point of view of practical innovations and developments, based on an under-
standing of biotic relationships in coastal grasslands, resilient symbiotic microorganisms,
both arbuscular mycorrhizal fungi and rhizobial bacteria, need to be isolated and identi-
fied. Detailed genetical and functional characterization of the isolated fungal and bacterial
strains could lead to development of new plant fertilizers and growth stimulants for the
promotion of sustainable agriculture or urban greening measures, especially useful in
marginal or degraded lands.
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Abstract: Photovoltaics is one of the key technologies for reducing greenhouse gas emissions and
achieving climate neutrality for Europe by 2050, which has led to the promotion of solar parks. These
parks can span up to several hundred hectares, and grassland vegetation is usually created between
and under the panels. Establishing species-rich grasslands using native seed mixtures can enhance
a variety of ecosystem services, including pollination. We present an overall concept for designing
native seed mixtures to promote pollinators, especially wild bees, in solar parks. It takes into account
the specific site conditions, the small-scale modified conditions caused by the solar panels, and the
requirement to avoid panel shading. We highlight the challenges and constraints resulting from
the availability of species on the seed market. Furthermore, we provide an easy-to-use index for
determining the value of native seed mixtures for wild bee enhancement and apply it as an example
to several mixtures specifically designed for solar parks. The increased availability of regional seed
would allow a more thorough consideration of pollinator-relevant traits when composing native seed
mixtures, thereby enhancing ecosystem services associated with pollinators such as wild bees.

Keywords: grassland; native seeds; seed-mixture pollinator-feeding index; regulating services; solar
energy; ground-mounted photovoltaic power plant

1. Introduction

Two of the biggest challenges of our time are tackling the climate and biodiversity
crises [1]. In addressing the climate crisis, photovoltaics are considered one of the key
technologies for reducing greenhouse gas emissions [2], which has led to the expansion
of solar parks across Europe [3,4]. To address the biodiversity crisis, in particular the
qualitative and quantitative decline of insects [5–7], solar farms offer great potential [8–10].

Ecological assessments of existing ground-mounted photovoltaic systems show di-
verse impacts, ranging from markedly negative effects on the landscape and biodiver-
sity [11–14] to potentially positive effects on ecosystem services [15,16] and several animal
species groups [13,17,18]. In addition to siting [19,20], a key aspect of the ecological as-
sessment of solar parks involves the design of the respective installation [15]. These parks
can be up to several hundred hectares in size, with a continuous increase in their num-
bers [21,22], and grassland is usually included between and under the panels [23]. In
addition to spontaneous succession, sowing is a widespread method of revegetation [24].
Until now, species-poor standard seed mixtures have often been used for this purpose,
resulting in species- and structure-poor vegetation stands [25–27] with a low value for
pollinator insects [28,29]. Initial studies indicate that the use of species-rich seed mixtures
in the greening of solar parks can increase local pollinator services, which, in turn, have
positive effects on biodiversity and agricultural production [8,9,15,30].

Grassland restoration using native seed mixtures has already been tested and put into practice
for many vegetation types such as dry grassland [31,32], mesophile meadows [26,33–36], and
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wildflower strips [37]. Solar parks have been built on land that was previously used in dif-
ferent ways, e.g., arable land, brownfield sites, military ammunition depots, slag heaps, and
waste disposal sites [38–40]. However, the site conditions in solar parks differ significantly
from those of typical grassland communities. Inside the solar parks, the microclimate, light
conditions, and soil–water balance are modified on a small scale due to changes caused
by the solar panels [41–46]. In addition, there are plant-related requirements for the target
vegetation, such as a low-growth height, to prevent shading of the panels. These specific
site conditions and requirements call for seed mixtures that are specifically designed for
solar parks. Thus, solar park seed mixtures must take into account a variety of parameters
in addition to those that must be considered for grassland restoration such as soil properties
and large-scale climatic conditions. In addition, the suitability of seed mixtures for the
promotion of pollinators such as wild bees in solar parks should be systematically eval-
uated. Although the Pollinator Feeding Index (PFI) developed by Schmidt et al. [47] can
be used to assess the supply of feeding resources of already-established vegetation stands
with regard to provided pollen and nectar resources, there is currently no index that can be
used to easily assess the suitability of native seed mixtures in providing feeding resources
for wild bees. Therefore, we aim to (i) establish criteria for the composition of bee-friendly
site-adapted seed mixtures for solar parks, (ii) develop an index for determining the value
of native seed mixtures in promoting pollinators, especially wild bees, and (iii) apply this
index using mixtures that are specifically designed for solar parks as an example.

2. Derivation of Criteria for the Composition of Bee-Friendly Site-Adapted Seed
Mixtures for Solar Parks

We used a multi-step approach to compose bee-friendly seed mixtures for the greening
of solar parks (Figure 1). Beginning with a basic species pool, each step applies specific
criteria to filter the species selection from the previous step.

Step 1: General criteria for solar parks

The general criteria for solar parks are applied to a pool of native grasses and forbs. In
this step, two criteria are used to filter out a selection of species that are generally suitable
for grasslands in solar parks. In general, species covering a wide range of grassland com-
munities can be used. Due to the extensive vegetation management usually implemented
in solar parks [23], as well as the partially lower light availability [48,49], species of fringe
communities should also be used. In order to ensure year-round maintenance of the techni-
cal systems and avoid shading the panels, which could reduce the energy yield, the growth
height of the species used must not be higher than the lower edge of the panels [50]. As
the lower edge is usually about 80 cm high, only low- to medium-growth-height species
should be included in mixtures for solar parks.

Step 2: Site-specific requirements

When applying seed mixtures in grassland restoration practices, the use of regional
species of certified provenance is recommended and usually applied [32,51–55]. The same
should generally apply to the greening of solar farms if it is not already regulated by
laws or requirements. Regional species are grassland and fringe species that are typical
for the region. In Germany, for example, these would be the natural units, according to
Ssymank [56], in which the solar park is being built or were once typical.

The exclusive use of seeds of regional provenance maintains the integrity of the local
gene pool and ensures the development of vegetation stands with typical regional charac-
teristics [36,57–59]. In this way, genetically diverse plant populations can be established
at the natural level of genetic differentiation [57]. Furthermore, it has been proven that
provenance selection does affect pollinator abundance and diversity in the sown vegetation
stands [53,60]. Due to the comparatively large area of solar parks and the corresponding
high demand for available regional seed, the use of seed directly harvested from natural
stands is usually not possible [61], and certified seed produced for restoration should
be used. Certification schemes for seeds of regional provenance already exist in many
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European countries, including Germany, Austria, Italy, and France [62]. In addition to the
ecological benefits of using regional seed, in some countries, it is even legally obligatory
to do so. For example, in Germany, the use of regional seed has been mandatory for the
restoration of grassland in the open landscape since 2020 [54].

 

Figure 1. Multi-step concept for the design of bee-friendly native seed mixtures for solar parks.

Specific climatic conditions are essential for the occurrence of plant species [63]. There-
fore, the local conditions with regard to temperature and precipitation must be taken into
account when selecting species. It should also be considered that the distribution of precip-
itation can vary over small areas due to the modification with solar panels [43]. As a result,
certain parts of the area to be sown may benefit less from precipitation than regionally
expected, even in areas with high precipitation. On the other hand, season-dependent
lower evapotranspiration under the panels has an effect on the soil–water balance [45,64],
but it does not fully compensate for the differences in precipitation [65].
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Soil properties also influence the occurrence of species [63,66], but their variation
is on a much smaller scale compared to climatic conditions. Therefore, soil properties
should be analyzed for each solar park individually. These include the soil type, soil
reaction, and nutrient content. When solar parks are built on sites with high nutrient
content, soil properties can present a specific challenge. This can cause species to grow
taller than predicted [67,68], potentially leading to shading of panels or the dominance of a
few fast-growing species that outcompete the majority of sown species. Another factor that
influences soil parameters and consequently species selection is the previous land use. In
addition to previously intensive arable land, solar parks are also built on de-sealed soil and
contaminated sites, e.g., covered ash heaps or waste disposal sites [38–40].

Compared to typical grassland communities, the small-scale changes in light intensity
caused by the solar panels create challenges. In particular, the row spacing of the module
arrays, depending on the installation, has a significant impact on light availability. The
reduced light availability in certain parts of the installation affects the species composi-
tion [45,69,70]. Therefore, native seed mixtures for solar parks should contain not only
light-demanding species but also species with a preference for semi-shaded conditions.

Step 3: Seed market and economic considerations

The costs for regional seed of certified provenances are significantly higher com-
pared to conventional seed due to high production costs and increased demand in some
countries [71,72]. The prices of regional seed mixtures vary significantly according to
the reference region, number of species included, species composition, and quantity of
diaspores or weight percentage [71–73]. Species that are more complex to propagate and
harvest are significantly more expensive compared to those that can be propagated easily
on large fields [72,74].

The availability of native seeds from regional provenances varies both between coun-
tries and regions [71,75]. In Germany, the legal prohibition on sowing non-native seeds in
the open landscape [76] has further complicated the market situation. The number of seed
producers and the quantity of seed available only increases gradually, and commissioning
the production of larger quantities of desired species needs to commence several years in
advance [77,78].

Therefore, not all species suitable for the respective solar park are available from
the region of provenance and cannot be used [79]. The challenge of seed availability is
exacerbated by the large quantities of seed required for the greening of solar parks due to
the large area to be covered [3,4]. Even easily reproducible species may only be available in
smaller quantities than required.

Step 4: Biodiversity aspects

Grasslands with a diverse vertical vegetation structure can be attractive to pollinators
due to architectural complementarity [80,81]. In order to build such a diverse vertical
vegetation structure, species with varying growth heights should be used according to the
previous species selection. As specifically composed mixtures can significantly improve
the availability of feeding resources for pollinators, especially wild bees in solar parks [8],
special consideration should be given to pollinator-relevant species characteristics. In order
to provide feeding resources for a wide range of wild bee species, it is important to select
forbs with a wide variety of flower colours and plant families that are adapted to the needs
of the local insect communities [82,83]. The selection of plant families should take into
account the current state of research and include key plant families known to be important
for wild bees such as Asteraceae, Fabaceae, Lamiaceae, and Campanulaceae [82]. In partic-
ular, oligolectic wild bees depend on certain plant families or species [82]. Furthermore, it
is important to consider not only the nutritional needs of adult species but also those of
juvenile stages when composing seed mixtures [84,85]. Seed mixtures should be designed
to include species with a long flowering period, which flower at different times throughout
the season to ensure continuous resource availability, especially when feeding resources in
adjacent habitats become limited [8,83,86,87].
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3. Development of a Seed Mixture-Pollinator Feeding Index (SM-PFI)

Based on the already-validated Pollinator Feeding Index (PFI) of Schmidt et al. [47],
which assesses the value of already established vegetation stands as a food supply for
pollinators, we develop a Seed Mixture-Pollinator Feeding Index (SM-PFI). The SM-PFI is
used to assess the potential suitability of native seed mixtures for establishing vegetation
stands with high feeding values for wild bees [82].

SM − PFI =
N

∑
i=1

(Pi + Ni) ∗ f lowering period ∗ f orbs %.

Referring to the PFI of Schmidt et al. [47], the SM-PFI is based on the quantification of
pollen (P) and nectar values (N). These values represent the pollen and nectar production
of the flowering species according to Pritsch [88]. Grass species are excluded from the
index, as their pollen seems to have only minor importance for pollinating insects [47].
Nectar is the main food source for adult bees, whereas pollen is the main food source for
bee larvae [85]. The pollen and nectar values are calculated by summing the contributions
of the species included in the seed mixture.

Considering that a long flowering period and a high percentage of forbs have a positive
effect on the abundance of pollinators such as wild bees [82,89], the sum of the quantified
pollen and nectar production is multiplied by the flowering period and the percentage
of forbs. To assess the duration of feeding resource provision by the seed mixture, the
number of months in which at least two forbs from the seed mixture are flowering (number
of flowering months per species according to Jäger [90]) is used as the flowering period.
The forbs % refers to the weight proportion of all species, excluding species from the plant
families Poaceae, Cyperaceae, and Juncaceae in the total mixture.

4. Application of SM-PFI to Seed Mixtures Specifically Designed for Solar Parks

The SM-PFI was tested on 12 native seed mixtures (Tables A1 and 1) with varying
species richness and a percentage of forbs ranging from 30 to 100% in solar parks with
different conditions (Table A2). The test mixtures were designed according to the presented
criteria for the composition of bee-friendly seed mixtures for solar parks. The mixtures
included native forbs from several key plant families for wild bees, such as Asteraceae,
Fabaceae, and Campanulaceae, and also incorporated a variety of proven attractive native
forbs for both polylectic and oligolectic wild bees, as suggested by Kuppler et al. [91].

Table 1. Characteristics of test seed mixtures for three solar parks in Saxony-Anhalt (Germany). The
compositions are shown in Table A1. Detailed information on the three solar parks is shown in
Table A2.

Areas with Solar Panels
Marginal Areas without

Solar Panels

Solar Park Number 1 2 3 1 2 3 1 2 3 1 2 3

Species richness Species-poor
(19–20 species)

Species-poor
(19–20 species)

Species-rich
(34–37 species)

Species-rich
(35–36 species)

Forbs % 30% 70% 70% 100%
SM-PFI 120 118 111 279 274 260 515 500 485 762 762 744

As a result, the SM-PFI of the test mixtures clearly differed according to the species
richness and forb percentage. Species selection, which differed between the three so-
lar parks due to their very diverse site conditions, had only a minor influence on the
index values.
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5. Discussion

5.1. Criteria for the Composition of Pollinator-Friendly Site-Adapted Seed Mixtures for Solar Parks

As shown, seed mixtures for the greening of solar parks have to fulfil criteria that are
in addition to those of the usual grassland restoration practice. One of the most important
criteria for large-scale areas canopied with panels is the maximum growth height of the
target vegetation. Since the majority of solar parks that also take biodiversity aspects
into account are currently projected with a height of 80 cm from the lower edge of the
panels, this value was used as an orientation for the seed mixture concept. However, solar
parks with a lower panel under-edge of 60 cm or less will also still be realised. For these
parks, a lower target vegetation must be selected and the species selection must be more
closely specified in Step 1. In addition, abiotic factors can also influence the growth height
of the sown species. Particularly on formerly intensive arable land and contaminated
sites (e.g., covered slag heaps or waste disposal sites) on which solar parks are sometimes
constructed [38–40,92,93], there may be a high soil nutrient surplus, which can lead to
above-average plant growth. This problem can be addressed by adapted, more intensive
management, which usually results in higher costs and negative effects on biodiversity,
especially due to lower attractiveness for pollinators [94].

Species-rich regional seed mixtures with a high percentage of forbs are usually ex-
pensive [71,72,95]. If the budget is limited, one solution may be to reduce the seed rate
of expensive species or replace them with less expensive ones. Alternatively, different
mixtures can be developed for a solar park, of which only one may contain particularly
costly species in the hope that these species will spread throughout the solar park, as
described by Török et al. [95], for dry grassland.

Due to the large area of a solar park, which can be up to several hundred hectares in
size, seed availability plays a crucial role in the composition of native seed mixtures [79].
Seed availability can vary significantly at the national and regional levels [61,71,75]. Al-
ternative, well-developed techniques, such as revegetation by hay transfer or on-site
threshing [34,96], are often not feasible on the required scales and are only viable options
for smaller solar farms or sub-areas. The agricultural production of seeds from regional
provenances currently appears to be the only option for providing high-quality material for
large-scale ecological restoration [78], as required for biodiversity-enhancing solar parks.
Although much has been achieved in the field of native seed production in recent years,
further research and economic promotion efforts are imperative to develop a market that is
adapted to the demand. Currently, a relatively small number of wild plant species are suc-
cessfully propagated for commercial use, while there are still significant knowledge deficits
for many others [97,98]. Especially in solar parks, with their small-scale and differentiated
site conditions, species could be established that are not currently used in seed mixtures
but have high value for wild bees. By incorporating these species, the attractiveness for
oligolectic species, in particular, could be increased through more diversified feeding re-
sources [83,91,99]. Improved availability of seeds from regional provenances would also
facilitate better consideration of pollinator-relevant traits, especially the nutrient needs
of wild bees, in the design of native seed mixtures. Early-flowering species, in particular,
which make an important contribution to extending the flowering period that is important
for wild bees [82,89,99–101], are often excluded from native seed mixtures or included
in very small quantities due to their limited availability [79]. It is essential to provide
spontaneously established species, which often provide important feeding resources for
wild bees, especially in spring and winter [47,91,99]. These can be promoted within solar
parks through small-scale non-sown sub-areas where the spontaneous succession of, e.g.,
early flowering perennials, is possible.

The current limited availability of regional seeds can be addressed by developing
different mixtures for solar parks. In this approach, small quantities of available species
are only sown in sub-areas, whereas other small-scale restoration methods such as sponta-
neous succession and hay transfer are used to complement the planting process [95,102].
Depending on the size of the area, this approach offers the possibility to establish various
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vegetation stands, which can lead to a significant increase in plant species numbers and
feeding resources for wild bees within a confined spatial context [103]. In German-speaking
countries, native seed mixtures have recently become available for solar parks [104,105].
These are characterised by a high number of species, which is beneficial for pollinators,
and a species selection adapted to the local insect community [88]. They usually contain
a relatively lower percentage of forbs and a higher percentage of grasses (measured by
weight). Although the high percentage of grasses reduces the cost of the mixtures, a
more grass-dominated target vegetation is expected. According to Schubert et al. [82], this
may have a potentially negative impact on the abundance of wild bees. Furthermore, the
mixtures offered contain species such as Verbascum spp., which are unsuitable for the
inter-row areas of most solar parks due to their tall growth. Even though ready-made
seed mixtures are a starting point, these mixtures should certainly be further refined and
optimally adapted to the conditions of each individual solar park.

Wild bee-friendly seed mixtures are also important in agrivoltaics (e.g., on fruit crops),
where their performance directly on-site is desired [106]. However, due to different tech-
nical requirements, the criteria for these plants need to be adjusted. For example, in
conventional stilt-mounted systems installed over fruit crops, the height of plant species
does not need to be considered for the potential shading of the panels.

Feeding resources for wild bees are just one measure to promote pollinator insects.
Numerous other aspects must be considered for a pollinator-friendly design of solar parks.
In addition to adapted management, the requirements of the different roles and life stages
of various non-bee pollinators [84,85,89,107,108] must also be taken into account. Besides
wild bees, many other pollinator insects such as Diptera and Lepidoptera make important
contributions to the regulating ecosystem service of “pollination” [89,109,110]. These
species groups have very different requirements [84,108,109], which can often only be met
with a complex and diverse target species concept.

If there are target species concepts for local pollinator species specific to solar parks,
these should, of course, also be taken into account in the composition of seed mixtures
according to the current state of research with regard to the special nutritional needs (includ-
ing the quality of the feeding resources and all related factors) of the corresponding target
species. When formulating target species concepts for pollinator species, the deficiencies in
the food provided by the surrounding landscape should also be taken into account [111].

5.2. Seed Mixture-Pollinator Feeding Index (SM-PFI)

In order to harness the potential of solar parks for promoting pollinators, one measure
is to consider the provision of feeding resources, which are essential for the presence of
pollinators such as wild bees [91], when planning the solar park and the seed mixtures
to be applied therein. The developed Seed Mixture-Pollinator Feeding Index (SM-PFI)
allows for the assessment of native seed mixtures in terms of their potential suitability as
feeding resources for wild bees. It serves as a useful extension of the Pollinator Feeding
Index (PFI) developed by Schmidt et al. [47]. The PFI by Schmidt et al. [47] has been
validated for assessing the species richness and abundance of wild bees [82]. It can be
assumed that the application of seed mixtures with a high SM-PFI would result in the
establishment of vegetation stands with a high PFI, as suggested by Schmidt et al. [47].
Therefore, this would contribute to promoting the species richness and abundance of wild
bees. A requirement for the valid application of the SM-PFI is that all species must be
included in the mixture in proportions that allow for long-term establishment. Additionally,
the sowing process should be carried out using approved methods. The main difference
between the two indices is that the PFI uses the cover of forbs established in the vegetation
stand to determine the pollen and nectar values of individual species, whereas the SM-
PFI treats all species included in the mixture equally. Weighting based on seed number
percentage or weight percentage was not used to prevent individual species from having a
disproportionate effect on the index. If weighted based on weight fraction, species with
heavy seeds, such as Agrimonia spp. and Lathyrus spp., would be overemphasised, even
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though they do not represent the target vegetation more than other species. In contrast,
when weighted based on seed number proportion, small-seeded species such as Campanula
spp., which are included in the mixture with a high seed number, would strongly influence
the SM-PFI, although small-seeded species are less likely to establish successfully compared
to large ones [112]. In addition, mixtures are often calculated using weight percentages, and
the percentage of diaspores is not always known. The absence of weighting for individual
species also results in a greater emphasis on the number of forbs when summing the
pollen and nectar values. The number of forbs is considered an important parameter
for bee attractiveness, as it positively affects the number of species and can specifically
enhance the number of oligolectic wild bee species [87,91,99]. The flowering period and
percentage of forbs were included as factors in the formula because they are instrumental
in the temporally staggered provision of food [8,82,83,86,87,103]. In order to develop an
easy-to-understand and easy-to-use index, the focus was on the most important parameters
for the enhancement of wild bees, whereas other influencing factors, such as the flower
colour, diversity of plant families, and nutrient quality, were excluded. If target species
concepts for local pollinator species exist for specific solar parks, the index can complement
these concepts but it should not be relied on as the sole tool. In such cases, additional
tools and approaches are required to address factors such as nutrient quality, which are
not included in the index but are also of major importance [107,109,111]. The SM-PFI is
only designed to assess the potential of seed mixtures in creating a vegetation stand that
is attractive to pollinators such as wild bees but it cannot assess the actual value of the
resulting vegetation. For example, in addition to the sown species, the resulting vegetation
stand may contain spontaneously established species that can also contribute significantly
to wild bee enhancement [87,113] but are not considered by the SM-PFI. Consequently, the
values of the SM-PFI should not be directly compared with those of the PFI according to
Schmidt et al. [47]. Furthermore, in addition to the introduction of a high-quality seed
mixture with an appropriate sowing rate, the success of establishing a pollinator-attractive
vegetation stand depends on many other factors such as proper seedbed preparation [114]
and adapted management (cutting frequency, timing, technique) [115–117]. Challenges
in applying the SM-PFI may arise due to an insufficient database. Unless pollen and
nectar values [88] are available for those species in the mixture in the aggregated data,
the calculation of the SM-PFI may become laborious, or if values are missing, it may
provide an incomplete picture of the potential of the mixture. Therefore, all forb species
that are successfully propagated should be evaluated with regard to their nectar and
pollen supply. As shown by the test mixtures for solar parks, the index is suitable for
evaluating seed mixtures for a wide range of sites. Its transferability to other potentially
bee-friendly vegetation stands, such as field margins or urban wildflower meadows, can
be assumed. The index proves particularly valuable for evaluating seed mixtures for wild
plant structures in the agricultural landscape, e.g., field margins and wildflower strips in
agrivoltaics, where pollinator services directly on-site are desired. However, the index
should not be applied to seed mixtures containing cultivars and non-native species. The
index is based on the assumption that regional wild plant species, to which local wild bee
communities are adapted, are utilized.

6. Conclusions

When designing bee-friendly seed mixtures for solar parks, a variety of criteria must
be taken into account beyond the usual practice of restoring typical grassland plant com-
munities. Due to the often-large spatial dimensions of solar parks, seed availability is
currently a decisive factor for determining the compositions of seed mixtures. With better
availability of regional seeds, biodiversity-promoting aspects can be given greater con-
sideration, leading to increased ecosystem services. As long as regional seeds remain
scarce, more flexibility is needed in terms of combining different seed mixtures and reveg-
etation practices to promote bee-friendly solar parks. In order to exploit the potential of
solar parks in promoting pollinator-linked ecosystem services in the long term, additional
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plant species that are particularly suitable for pollinator promotion must be identified and
regionally propagated.

The Seed Mixture-Pollinator Feeding Index (SM-PFI) provides an easy-to-use tool
for assessing the potential suitability of seed mixtures for establishing vegetation stands
in solar parks as a food source for wild bees. The SM-PFI can also be applied to the
assessment of native seed mixtures for wildflower stands in agrivoltaics and various other
vegetation stands.
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Appendix A

Table A1. Compositions of test seed mixtures for three solar parks in Saxony-Anhalt (Germany),
specifying all parameters required for the Seed Mixture Pollinator Feeding Index (SM-PFI). Values
of nectar (N) and pollen (P) indices range from 0 = no productivity (or not relevant for wild bees)
to 3 = high productivity [88,118,119]. Grasses (G), forbs (F), and flowering months are presented
according to Jäger [90]. Flowering period means the number of months in which a minimum of two
forbs are flowering.

Areas with
Solar Panels

Marginal
Areas

without Solar
Panels *

Solar Park Number 1 2 3 1 2 3 1 2 3 1 2 3

Species Richness
Species-Poor

(19–20)
Species-Poor

(19–20)
Species-Rich

(34–37)
Species-Rich

(35–36)

Forbs (Weight %) 30% 70% 70% 100%

Flowering Period 7 7 7 7 7 7 7 7 7 6 6 6

G/F N P Flowering Month SM-PFI 120 118 111 279 274 260 515 500 485 762 762 744

J F M A M J J A S O N D Species

G Briza media x x x x

G Festuca rubra x x x x x x x x x

G Festuca rupicola x x x x x x x

G Phleum phleoides x x x x

G Poa angustifolia x x x

G Trisetum flavescens x x x

F 1 2 x x x x x Achillea millefolium x x x x x x x x x x x x

F 2 2 x x x x Agrimonia eupatoria x x x x x x x x x x x x

F 2 1 x x x x Ajuga reptans x x
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Table A1. Cont.

Areas with
Solar Panels

Marginal
Areas

without Solar
Panels *

Solar Park Number 1 2 3 1 2 3 1 2 3 1 2 3

Species Richness
Species-Poor

(19–20)
Species-Poor

(19–20)
Species-Rich

(34–37)
Species-Rich

(35–36)

Forbs (Weight %) 30% 70% 70% 100%

Flowering Period 7 7 7 7 7 7 7 7 7 6 6 6

G/F N P Flowering Month SM-PFI 120 118 111 279 274 260 515 500 485 762 762 744

F 2 2 x x x x Anthyllis vulneraria x

F 2 1 x x x Barbarea vulgaris x x x x

F 3 1 x x Betonica officinalis x x x x x x

F 2 2 x x x x Campanula rapunculoides x x x

F 1 1 x x x x Cerastium holosteoides x x x x x x x x x

F 3 3 x x x x Cichorium intybus x x x x

F 2 1 x x x Clinopodium vulgare x x x x x x

F 2 2 x x x x Crepis biennis x x x

F 2 2 x x x x Daucus carota x x x x x x x x x x x x

F 1 2 x x x x Dianthus carthusianorum x x x x x x x

F 3 2 x x Dipsacus fullonum x x x

F 3 2 x x x Echium vulgare x x x

F 2 1 x x x Falcaria vulgaris x x x

F 0 3 x x Filipendula vulgaris x x x x x

F 1 1 x x x x Galium album x x x x x x x

F 1 1 x x x x Galium verum x x x x x x

F 1 1 x x Galium wirtgenii x x

F 1 2 x x x x x Helianthemum
nummularium x

F 0 3 x x Hypericum perforatum x x x x x x x x x x x x

F 2 2 x x x x Hypochaeris radicata x x x

F 1 1 x x Knautia arvensis x x x x x x

F 2 1 x x x Lathyrus pratensis x

F 2 1 x x x Lathyrus tuberosus x x

F 2 1 x x x x Leonurus cardiaca x x x

F 2 1 x x x x x Leucanthemum vulgare x x x x x x x x x x x x

F 2 1 x x x x x Linaria vulgaris x x x x x x x x x x x x

F 3 1 x x x Lotus corniculatus x x x x x x x x x x x x

F 2 2 x x x Lychnis viscaria x x x x

F 2 1 x x x x x Malva moschata x x x

F 2 1 x x x x x Malva sylvestris x x x

F 3 2 x x x Origanum vulgare x x x x x x x x x x x x

F 0 3 x x x x x Plantago media x x x

F 1 2 x x x x x Potentilla argentea x x x x x x

F 1 2 x x x Potentilla neumanniana x x x x x x x x x

F 1 2 x x x Potentilla reptans x x x

F 2 1 x x x x Prunella vulgaris x x x x x x x x x x x x

F 1 1 x x x Ranunculus bulbosus x x

F 1 1 x x x Ranunculus lanuginosus x x x x x x

F 2 3 x x x x x Reseda lutea x
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Table A1. Cont.

Areas with
Solar Panels

Marginal
Areas

without Solar
Panels *

Solar Park Number 1 2 3 1 2 3 1 2 3 1 2 3

Species Richness
Species-Poor

(19–20)
Species-Poor

(19–20)
Species-Rich

(34–37)
Species-Rich

(35–36)

Forbs (Weight %) 30% 70% 70% 100%

Flowering Period 7 7 7 7 7 7 7 7 7 6 6 6

G/F N P Flowering Month SM-PFI 120 118 111 279 274 260 515 500 485 762 762 744

F 2 3 x x x x Reseda luteola x x

F 3 1 x x x x Salvia pratensis x x x x x x x x x x x x

F 1 1 x x x x Saponaria officinalis x x x

F 2 1 x x x x Scabiosa ochroleuca x x x x x

F 1 1 x x x x x x Silene dioica x x x x x x x x

F 1 1 x x x x Silene latifolia subsp. alba x x x

F 1 1 x x x x x Silene vulgaris x x x x x x x x x

F 3 1 x x x x x Stachys recta x x x x x

F 3 3 x x x x Trifolium pratense x x x x x x x x x x x x

F 1 3 x x x Verbascum densiflorum x x x

F 1 3 x x x x Verbascum nigrum x x x

F 2 2 x x x Veronica maritima x x

* Seed mixtures for marginal areas also contain high-growing species.

Table A2. Test solar parks in Saxony-Anhalt.

Solar Park Number 1 2 3

County Mansfeld-Südharz Salzlandkreis Halle (Saale)/Saalekreis

Size (ha) 2.2 1 13.3

Size covered with panels (ha) 1.3 0.4 6.3

Type of solar panels Monofacial, south facing Monofacial, south facing Monofacial, south facing

Under-edge of the panels (cm) 80 80 80

Inclination of the panels 17◦ 20◦ 15◦

Distance between
module rows (m)

3.1 4 2.4

Previous use
De-sealed soil of former

farm buildings Abandoned area Ash dump covered with soil
substrate

Preparation for seeding No tillage Rotary tilling Rotary tilling

Surrounding land use
Biogas plant, residential and

production buildings,
non-irrigated arable land

Residential buildings,
industrial complexes,

abandoned extraction sites
(limestone)

Non-irrigated arable land,
covered ash dump,

industrial complexes
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Photovoltaic Solar Technologies and Market in Poland. Energies 2022, 15, 174. [CrossRef]

3. Jäger-Waldau, A.; Kougias, I.; Taylor, N.; Thiel, C. How photovoltaics can contribute to GHG emission reductions of 55% in the
EU by 2030. Renew. Sustain. Energy Rev. 2020, 126, 109836. [CrossRef]
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Abstract: The present study reviews the impact of mechanical interventions, and controlled burning
combined with grazing in the Mediterranean-climate regions (MCRs) of the world. Relevant studies
were searched for in the Web of Science database. Additional studies were located in the citations of
these publications, and in a local database. Finally, 26 studies were included in this review. Since 1978,
several other relevant studies have emerged at a rate of 24% in a 5-year time step. The studies have
focused on the effects of combined grazing with other management tools on vegetation structure
(18 publications), biomass productivity (16 publications), and floristic diversity (12 publications). The
results were analyzed for (a) sites and treatments and (b) effects on plant structure, productivity and
floristic diversity. Herbaceous forage increased after a reduction in shrub cover. Shrubs tended to
recover in the grazed pastures. Vegetation height was reduced in almost in all cases according to
available data. Despite its potential recovery, shrub biomass was affected by grazing in most cases.
The impact of subsequent grazing was mixed regarding floristic diversity. Grazing is a useful tool for
landscape management in MCRs, but the proper way to combine it with other interventions depends
on the management goals.

Keywords: Mediterranean-climate regions; grazing; clearing; controlled burning; cutting; thinning;
vegetation structure; productivity; floristic diversity

1. Introduction

Animal husbandry is one of the most important activities in human history. While it
has become more intensive in recent years, keeping animals in closed spaces, even today, a
large part of livestock is raised extensively or semi-extensively. These two breeding systems
are largely based on the use of pastures, often originating from past human interventions
in forest landscapes. Therefore, grazing has to be regulated so that the natural elements
of the landscape can be maintained [1]. Mediterranean-climate regions (MCRs) are not
an exception to this situation. The Mediterranean Basin is a region where the history of
disturbance is critical for its ecosystem functions [2,3], while other MCRs, such as those
in California and Chile, share quite common land use patterns with it [4]. Nevertheless,
the environmental history of MCRs is highly complicated and comparisons among them
reveal differences and similarities in environmental indicators [4,5].

An unequivocally negative role is often attributed to grazing, with grazing exclusion
policies as a typical measure serving that perspective [6]. It is well-documented, though,
that the reduced intensity or complete abandonment of grazing has negative consequences
for Mediterranean ecosystems [7,8]. The depopulation processes, that have been taking
place in the rural areas of the Mediterranean for more than 60 years, underpin the significant
reduction in livestock. Grazing abandonment or undergrazing favors ecological succession,
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i.e., the expansion of shrubs into grasslands (shrub encroachment) [3,5]. Such natural
processes happen at the expense of the floristic physiognomy and diversity of grasslands
and often affect several parameters that determine the pastoral value of these lands [9]. It
has been pointed out that the prevention of shrub encroachment is important both for the
economy and the environment [7]. To halt this process, controlled fires and interventions
with mechanical means are often suggested to take place [8].

In most cases, management interventions aim to maintain a landscape mosaic that
is considered to be capable of serving multiple objectives simultaneously. Objectives
include the balance between human activities and nature, the protection of biodiversity, fire
prevention, and the accessibility of various forage resources for grazing animals [10–14].
In Mediterranean ecosystems, disturbances, such as fires and various types of cutting
and mechanical treatments for the improvement of forage availability or for cultivation
purposes, have played a significant role in the retention of landscape diversity [15–17].
These disturbances are considered episodic, while the opposite is true for grazing, which is
considered a chronic disturbance. The combination of these two types of disturbance is
common in the Mediterranean region and therefore responsible for the typical formation of
vegetation [18].

Natural or anthropogenic fires are considered one of the basic factors shaping Mediter-
ranean landscapes. However, when fires occur near zones of the interface with human
activities, they pose a direct risk to ecosystem services, properties, cultural values, and
often human lives [19,20]. As an effort to mitigate the phenomenon of fires in MCRs,
but also to manage grazing and maintain biodiversity, controlled (or prescribed) burn-
ing has been developed gradually since the 1960s [21]. Fire management usually enters
public dialogue with an emphasis on fire suppression, including a continuous increase
in firefighting resources. Fire prevention, as a rule receives less attention with prescribed
burning being a prohibited practice or one with very limited use in most Mediterranean
countries. This is in contrast to its extensive application in other countries such as the USA
or Australia [20,22,23]. Currently, the use of prescribed burning has gradually started being
considered more broadly in MCRs against the common perception and generalization of
the solely negative consequences of wildfire.

On the other hand, the most usual practices when it comes to the creation of open
spaces, as well as diverse habitats, are the use of intensive mechanical or manual treatments.
Mechanical treatments of shrub vegetation may include cutting coarse wood, slashing
coarse and fine wood debris, pruning standing branches or resprouts, trimming woody
biomass to a lower level, and thinning by removing entire standing shrubs. Some authors
suggest that mechanical treatments are safer for the environment or more effective at
preventing shrub encroachment than controlled burning is [9,24,25]. On the other hand,
controlled burning in a Pinus canariensis forest is more beneficial than clearing is when
important factors, such as fire intensity, are properly adjusted [26]. There may also be
differences in shrub resprouting between sites that have experienced burning and mechan-
ical or manual treatments [27], though, after some years, the effects of these two types
of treatments may start being similar [28,29]. Mechanical and manual treatments are the
most suitable option in cases when biomass reduction must be applied in strict areas.
The interference of private properties in land management plans is a typical example of
that [30]. While land clearings and shrub cuttings can be quite beneficial for Mediterranean
ecosystems, careless use of these tools can also be harmful, if the intensity or seasonality of
the mechanical treatments [31] or their spatial scale are not considered carefully [32–34].
Additionally, the high costs of mechanical and manual treatments could be prohibitive
of the continuous use of this practice. In contrast, a combination of them with utilization
methods would be more viable. Animal husbandry can play this role, as grazing is a
major utilization activity that can be developed in natural ecosystems apart from timber
harvesting [30].

Previous review studies have highlighted the importance of management interven-
tions in improving the rangeland value of Mediterranean shrublands [35], and to prevent
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land abandonment [7,25]. The importance of grazing, even in large numbers, was also
noted for several Mediterranean ecosystems [36]. The Rouet-Ledouc et al. [37] study can
also be considered relevant to this topic, as they investigated the effectiveness of grazing at
fire prevention for a wider range of ecosystems. However, there is no research primarily
targeted at deriving conclusions from existing scientific studies that have combined grazing
with other management interventions in Mediterranean ecosystems. Such a collective ap-
proach will facilitate decisions to draw on land management, especially on the restoration
of grasslands that are invaded by shrubs. The aim of this study was to review the scientific
literature related to (a) the underlying reasons and the techniques used for the removal of
shrubs before grazing as applied in Mediterranean ecosystems, (b) the effects of grazing, in-
troduced after the removal of shrubs or the implementation of other previous management
interventions, on the basic characteristics of the vegetation (structure, productivity, and
floristic diversity), and (c) the management implications regarding the future use of such
interventions in Mediterranean shrublands.

2. Materials and Methods

The search for studies was carried out using a combination of different tools. Initially,
the search engine of the Web of Science (WoS) website was used, with the following conditions:

((graz * OR brows * OR sheep OR goat * OR cattle OR hors * OR livestock OR herbivore
* OR donk * OR deer *) AND (mediterranean OR (dry AND hot AND summer) OR maquis
OR garrigue * OR chaparral OR matorral OR fynbos OR mallee OR phrygana) AND (shrub
* OR scrub * OR brush * OR understor * OR bush *) AND (clear * OR cut * OR thin * OR
mechanic * OR masticat * OR prunn * OR mow * OR slash * OR trim * OR (prescribed AND
burn *) OR (control * AND burn *)).

From the above search, 198 records were found, fourteen of which were considered
suitable to be included in the present study, because this number of records focused on the
combined effects of grazing, after the implementation of several management treatments.
In a second phase, a literature review based on the bibliography of the aforementioned
studies was conducted. This included both the studies cited by these fourteen publications
and the follow-up studies in which they were referenced. In order to find these follow-up
studies, Google Scholar was used. Through this, the number of studies increased to 23.
Finally, three more studies were included, by searching the bibliographic base (in paper
format) of the Laboratory of Rangeland Science and Protected Areas Management, of the
University of Thessaly. Thus, the total number of studies reached 26, referring to a total
number of twenty sites (Table 1. The studies included in this review cover a period from
1978 [38] to 2022 [39] (Table 2).

Table 1. Research purposes and management implications of the studies presented.

Authors Research Topic Management Implications

Poissonet et al. (1978)

Impact of land management treatments
in a Quercus coccifera (controlled burning
and clearing + grazing simulation with or
without fertilization).

Moderate fertilization levels and mowing at a relatively
low frequency (simulated grazing systems) achieve
better floristic diversity results than pure controlled
burnings do, despite the frequency of the latter.
Remarkable variations were observed throughout the
years. Controlled burning did not achieve the desirable
formation, while simulated grazing resulted in a
grassland formation.

Green et al. (1979)
Utilization of chaparral shrubs by goats
in fenced and non-fenced sites, cleared or
non-cleared.

Shepherd guidance is enough for goats to graze young
shoots, but fencing is required if an older woody
component is present. Grazing without fencing
limitations is more environmentally feasible.
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Table 1. Cont.

Authors Research Topic Management Implications

Godron et al. (1981)
Site cover and botanical diversity effects
of grazing simulation in a Quercus
coccifera garrigue.

Mediterranean ecosystems are pretty sensitive to soil
erosion; thus, forests have to be re-established. However,
some parts of them should be used as pastures, where
fertility should be maintained.

Poissonet et al. (1981) Botanical diversity effects of grazing
simulation in a Quercus coccifera garrigue.

After clearing and continuous mowing (grazing
simulation), the created plant community was very
different, more balanced and richer in herbaceous
vegetation, although it did not have a typical vigorous
grassland structure. The increase in pastural value and
changes in composition occurred more directly with
fertilization. Severe drought can wipe out some species
families (e.g., grass-like species, such as Cyperaceae).
High levels of fertilization can make the plant
community more exposed to climate change.

Étienne et al. (1991)
Biomass and volume growth models in
grazed maquis vegetation of pine and oak
forest areas that are partially fertilized.

Shrub growth models after disturbance should be
considered in fuel management. There are differences
between major Mediterranean maquis shrubs in the
development of volume, biomass, and growth rate.

Papanastasis et al. (1991)
Yields of shrubs and herbs in a bladed
(partially seeded) or slashed kermes oak
shrubland.

Seeding after clearing is the method that increases yields
of herbaceous vegetation the most. On the other hand, it
is the most expensive method. Clearing without seeding
is less effective for yields of herbaceous vegetation.
Slashing is the least expensive and the best method
ecologically; however, it results in a rapid restoration of
shrubby vegetation over that of herbaceous vegetation.

Perevolotsky et al. (1992)
Quercus calliprinos and Phillyrea latifollia
response after thinning and pruning,
followed by goat grazing.

Thinning + grazing combined favors open spaces,
mostly affecting the cover of low trees in comparison to
that of dwarf and medium shrubs. Q. calliprinos was
affected only by thinning, while subsequent grazing had
an impact on P. latifolia. Thinning + grazing can develop
rich pastures with low fire risk, though well-established
spatial plans are required.

Papachristou et al. (1997)

Effects on vegetation structure and
productivity and grazing response of
sheep and goats in a slashed or cleared
kermes oak shrubland.

The existence of a greater amount of herbaceous
biomass results in the existence of feed of a higher
nutritional value. Via the maintenance of a low cover,
the movement of animals in the pasture is facilitated.
These interventions are also beneficial for biodiversity
and act against fire hazard.

Yiakoulaki et al. (1998)

Effects on biomass and dietary
preferences of goat grazing in a Pinus
forest fuel treatment dominated by
kermes oak in the understory.

Grazing management systems do not affect the forage
utilization preferences of goats. Nevertheless, low
forage availability can affect animal welfare and
productivity. Intensive grazing by goats can reduce fuel
amounts in a pine forest’s understory.

Hadar et al. (1999)
Clearing and/or heavy cattle grazing
effects on botanical composition and
functional groups in garrigue.

Heavy grazing tends to homogenize the height of the
plants to the horizontal level, with certain plant species
being affected. Grazing during the growth period of
plants is a useful tool for fire prevention. It seems that
clearing can cause an increase in species diversity, while
intensive grazing decreases it. A combination of them
can transform a garrigue formation, from a
shrub-dominated to a geophyte-rich herbaceous
community, dominated by early flowering plants.
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Table 1. Cont.

Authors Research Topic Management Implications

Gutman et al. (2000)

Herbage biomass, small tree and dwarf
shrub cover effects on thinned + grazed
garrigue (mainly Quercus calliprinos
woodland, partially batha vegetation).
Forage utilization and beef cattle herd
performance was also measured.

Intensive grazing by cattle can create an open park-like
landscape, similarly to known goat grazing practices.
Herbage is increased as a result of the phosphate
fertilization caused by cattle feces, which is relevant to
their supplementary feed, mainly poultry litter. Coupled
with this kind of feed, the grazing management system
of the current study can lead to a high herd beef
performance. However, additional feed costs could
create feasibility difficulties. Control of undesirable
batha vegetation is difficult even via herbicide.

Étienne et al. (2001)

Impact of different management
interventions on vegetation structure and
floristic diversity of maquis ecosystems
where fuel management was performed.

Livestock herds are able to promote ecosystems with
rich biodiversity, while they are also used for fuel
management, contributing to the carbon cycle and the
aesthetic value of the landscape. However, even a
20-year period is small for biodiversity monitoring. An
important reason for that is the frequent catastrophic fire
events in that kind of ecosystem.

Delgado et al. (2004)
Shrub structure and forage productivity
in a Genista scorpius shrubland, grazed by
cattle or sheep.

Land clearings can increase grass forage production, but
this is dependent on annual rainfall and location
conditions. It could require some years for fertilization
to show its effects on productivity. After clearings, G.
scorpius individuals grow slowly, although cattle or
sheep grazing does not seem to have an effect on them.

Lécrivain et al. (2004)

Description of a clearing technique
executed by shepherds for the creation of
pasture paths and open areas in a holm
oak (Quercus ilex) stand. Measurements
took place for three years.

Shepherds should be involved in clearing plans, since
they are able to create openings in shrublands based on
the needs of the herds. Via the creation of a network of
patches and considering the capabilities of the flocks to
maintain an open vegetation structure, an alteration in
the vegetation could be achieved. Thus, the grazing
period in a year can be increased.

Potts et al. (2010)

Ecological effects of deer grazing on
chaparral (Adenostoma fasciculatum),
previously prescribed burning or
masticated. Effects of the treatments and
their applying season in the recruitment
of Ceanothus cuneatus.

Spring-controlled burning results in greater C. cuneatus
mortality because seedlings have less time to recover
from summer drought. Controlled burning treatments
are more effective for wildlife conservation, but less
effective for fire prevention compared to mastication in
the medium term. However, fire risk is likely to be
higher in mastication areas compared to those treated
with controlled burning in the short term, because areas
that have been recently masticated have more fine dead
fuel and grass on the ground. Deer grazing only reduces
shrub height and does not affect other characteristics
(cover and seedlings).

Alvarez-Martinez et al.
(2013)

Structure and productivity effects in
pasture restoration of intensive goat
grazing (clearing, trimming, or slashing
treatments applied previously).

Grazing following other interventions can contribute to
a conversion of shrubland into grassland (clearing or
controlled burning prior to grazing), or limit shrub
growth (trimming prior to grazing).

Masson et al. (2015)

Structure and botanical diversity effects
in different treatments applied for the
control of the invasion of brambles in
grassland. Grazing was performed by
goats.

Yearly land clearings followed by grazing can reduce
brambles and increase herbaceous diversity, but they are
not enough for complete dry grassland restoration.
Water infiltration can favor competitive plant species.
Dry grassland restoration can be obtained via a
combination of interventions for several years, including
clearing + grazing but also the restraint of water
infiltration.
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Table 1. Cont.

Authors Research Topic Management Implications

Lasanta et al. (2016)

Changes in the landscape structure and
livestock numbers after the execution of a
plan of clearings to promote grazing in
La Rioja, Spain.

Spatial dynamics can be changed by land clearings, as is
shown in the case of La Rioja. Pastures were developed
in contrast to shrublands, while livestock numbers also
increased.

Bashan et al. (2017)

Spatiotemporal dynamics of garrigue
vegetation in different treatments.
Grazing was performed by goats (high
intensity) or cattle (low intensity).

Measures for fire prevention can be different from those
developed for biodiversity conservation. Goats with
high stocking rates can be quite effective at the control of
woody vegetation. In contrast, low-stocking-rate cattle
grazing is not effective. A strategy to achieve different
targets should be promoted at a landscape level.

Lasanta et al. (2018)
Analysis of the changes in forest fires in
La Rioja region before and after the land
clearing plan.

When it comes to fire management, a large focus on
suppression is ineffective. Grazing can contribute to fuel
management, but livestock should exist in high
numbers. Land clearing should be combined with
cooperation with local livestock breeders. With the
combination of clearing and grazing, environmental,
economic and social goals can be simultaneously
achieved in the Mediterranean.

Lasanta et al. (2019)

Changes in average pasture production
before and after the implementation of
the land clearing plan in the La
Rioja region.

Seasonality in pasture productivity in Mediterranean
mountain regions is an important issue in livestock
management. Land clearings promote ease of movement
through the pasture. Effective breed sizes and the
manpower of young people are significant factors for
the maintenance of extensive livestock systems.

Moinardeau et al. (2020)

Impact of clearing and/or goat grazing
on the restoration of an artificial
embankment understory invaded
by brambles

The combination of clearing and grazing can have a
positive impact on the heterogeneity and diversity of
herbaceous vegetation. Shepherd supervision can be
helpful in bramble invasion control. The location of
sheds is important in such a situation, along with the
application of proper stocking rates, animal training,
and contacts between managers and shepherds. A
supplementary feed should be avoided. When tall
brambles are present, clearing is proposed, but costs
should be considered.

Grupenhoff et al. (2021)

Ecological changes in goat grazing in a
fuel treatment in Californian chaparral,
with a sporadically present oak overstory.
Cutting, pile burning and herbicide were
previously applied.

Interventions before grazing were beneficial for the
reduction in the fuel hazard and the diversification of
the pasture. Goat grazing affected only herbaceous
vegetation. The seasonality and duration of grazing and
botanical composition are important factors when goat
grazing is applied for fuel management.

Lasanta et al. (2022) Landscape impact of the land clearing
plan in La Rioja.

A mosaic landscape can be achieved via land clearings
and grazing, that is rich in biodiversity and has a low
fire risk.

Bicho et al. (2022)

Productivity and resilience to drought of
an improved pasture grazed by cattle a
pasture improved by cattle grazing
(clearing + seeding + ploughing),
compared to that of the natural
understory (cork oak woodland).

Although the improved pasture was far more
productive, the natural understory showed better
drought resilience. Climate change impacts on
production can be mitigated via the promotion of forage
plants resistant to drought. The management strategies
that need to be developed should not be very offensive
against the natural vegetation. Such a direction would
also promote biodiversity and ecosystem balance.

Castro et al. (2022)

Evaluation of ecological changes in a
shrubby understory, cleared then grazed
by sheep of a mixed sclerophyllous forest,
treated for fuel reduction purposes.

In order to keep fuels in a low amount in the understory,
grazing is required after clearing. Fire prevention and
biodiversity targets have to be met, especially in Natura
2000 sites.
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Table 2. Present effects (indicated by X) of the interventions examined in each study, sorted into three
categories (structure, productivity, and floristic diversity). Experimental years are also included.

Effects on
Structure

Effects on
Productivity

Effects on Floristic
Diversity

Duration of
Experiment (Years)

Poissonet et al. (1978) X 9

Green et al. (1979) X 6

Godron et al. (1981) X X X 9

Poissonet et al. (1981) X X 9

Étienne et al. (1991) X 6

Papanastasis et al. (1991) X 2

Perevolotsky et al. (1992) X 2

Papachristou et al. (1997) X X 3

Yiakoulaki et al. (1998) X 1

Hadar et al. (1999) X X 5

Gutman et al. (2000) X X 10

Étienne et al. (2001) X X 10 and 15

Delgado et al. (2004) X X 3 and 4

Lécrivain et al. (2004) X 3

Potts et al. (2010) X X 3

Alvarez-Martinez et al. (2013) X X 3

Masson et al. (2015) X X 3

Lasanta et al. (2016) X X 11

Bashan et al. (2017) X 11

Lasanta et al. (2018) X 12

Lasanta et al. (2019) X 31

Moinardeau et al. (2020) X X X 3

Grupenhoff et al. (2021) X X X 3

Lasanta et al. (2022) X X X 3 and 6

Bicho et al. (2022) X 10

Castro et al. (2022) X X X 2

The reviewed studies concern changes regarding the structure, productivity and di-
versity of the vegetation. A group of these studies does not involve true grazing by a
specific herbivore, but refers to the application of mowing of shoots at standard frequen-
cies as an imperfect way to simulate grazing in a cleared kermes oak (Quercus coccifera)
shrubland [38,40,41]. However, we included this group of studies in our review, since the
simulation of grazing via mowing or clipping is often achieved in the relevant literature.
In Esterel hills, France, the clearing of the understory took place simultaneously with the
thinning of trees in the overstory, which consisted of individuals of Pinus pinea, P. halepensis
and Quercus suber [42]. This study was included in the present review since it included com-
parisons between grazing and no grazing after the interventions. It is also worth noting that
the present review includes two studies on the mechanical thinning of low trees. One study
was conducted in a Mediterranean oak scrubland where the initial thinning of the woody
vegetation was followed by beef cattle grazing [43] and another study included additional
management with the pruning of Quercus calliprinos [44]. As this particular species often
takes a shrub-like form, the impact of these disturbances was considered interesting for the
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present review. In contrast, the impact of grazing following wildfires or burnings that were
not applied under a strict protocol, such as pastoral fires, was not considered.

Furthermore, the studies were sorted into three groups. The first group included the
descriptive characteristics of the study itself. Characteristics such as year of publication,
geographic referenced area, context of study (experiment or active management), purpose
of biomass removal, time of sampling, kind of grazing animals, starting time of grazing,
physiognomy of vegetation, overstory layer if any, understory vegetation, and area of
interventions (in ha). The second group included information on the treatments applied,
such as type of treatments, fencing (if any), treatments before the introduction of grazing,
grazing season and duration, and grazing intensity. The third group included the impact
on measured parameters, such as the structure of vegetation, productivity, and floristic
diversity. For each study, the effects of treatments applied on measured parameters were
analyzed and discussed.

3. Results and Discussion

3.1. Characteristics of the Studies

The Mediterranean-climate regions (MCRs) for which the studies met the identified
search criteria were represented by the Mediterranean Basin and the State of California in
North America. In particular, these studies were found in six countries, namely France, Is-
rael, Spain, Greece, Portugal, and the United States (Figure 1) and they refer to twenty sites
in total.

Figure 1. Distribution of the number of studies referring to grazing as a subsequent management
intervention in MCRs of the world.

The evolution of the number of studies conducted for the above purposes in a 5-year
time step is shown in Figure 2. The linear rate of change in the number of studies is +24%,
representing the increasing interest of the scientific community in such studies. The first
published work was that of Poissonet et al. [38], related to a clearing + simulated grazing vs.
controlled burning experiment in Herault, France. The second one was by Green et al. [45]
in California, related to the utilization of shrubs by goats as a management tool to halt the
regeneration of vegetation in fuel breaks.
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y = 0,24x + 1,27

Figure 2. Linear trend line of number of published studies referring to grazing as a subsequent
management intervention in MCRs of the world in a 5-year time step.

The management purposes, for which the effectiveness of interventions coupled with
grazing was studied, are presented in Figure 3a. All studies were considered to deal with
interventions aimed at optimal effectiveness in at least one of the three following issues:
fire prevention (FP), the improvement of pastures (PI), and the achievement of a diversified
botanical structure (BD) for restoration purposes. Fire prevention and pasture improvement
were referenced in the majority of the sites, at 70% and 60%, respectively, while biodiversity
was referenced in 40%. The kinds of animals grazing at each site are presented in Figure 3b,
with goats being the main grazer (60%), followed by sheep (45%), and cattle (35%). Horses,
deer, and grazing simulation (GS) were used in only one site each (5%). In the deer
grazing study, other wild herbivores also grazed the area, but some enclosures that were
intentionally established to evaluate the lack of grazing prevented deer access [46]. The
types of management treatments that preceded grazing are presented in Figure 3c. In the
large majority of sites (80%), land clearing (CL) or cutting above the base of the plants (CT)
was the only biomass reduction intervention, or was one among other treatments, while in
a smaller number of sites other treatments were included, namely slashing (SL), trimming
(TR), controlled burning (CB), thinning (TH), pruning (PR), herbicide (H) application, and
mastication (M). Subsequent interventions without biomass reduction, namely seeding (SD),
fertilizing (F), pile burning (PB), ploughing (PL), herbicide (H) application and draining
(D) were applied in 36% of the sites (Figure 3d).

Fire prevention was the main goal of the treatments in all the three studies concerning
Californian chaparral. For this purpose, the focus was on domestic or wild animals with
browsing habits, namely goats and deer. The improvement of a black-tailed deer habitat
was also a purpose of one study [46]. In both the eastern and western Mediterranean Basin,
both different purposes of the treatments and grazing animals were mentioned. There was
often more than one management purpose for each study in this region. Different kinds of
domestic animals were examined, either in terms of grazing in the same treatments or in
comparison with each other. Clearing and other interventions of homogenizing vegetation
at a horizontal level were performed in all the regions. Thinning vegetation requires the
removal of some of the shrubs while trying to give others a tree form. This was performed
in two case studies in Israel [43,44], with pruning of the remaining trees also taking place
in one of them [44]. Most of the subsequent, improvement interventions such as seeding
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and fertilizing were performed in west Mediterranean and Greece. Another improvement
intervention was pile burning, which is sometimes applied in Californian pastures.

Figure 3. Allocation of (a) type of management purpose, (b) kind of animals, (c) type of intervention
and (d) type of subsequent intervention into the studied sites. Treatments: FP (fire prevention), PI
(pasture Improvement), BD (biodiversity), GS (grazing simulation), CL (clearing), cutting (CT) SL
(slashing), TR (trimming), TH (thinning), PR (pruning), CB (controlled burning), H (herbicide), M
(mastication), SD (seeding), F (fertilization), PB (pile burning), PL (ploughing), and D (draining).

3.2. Effects on Vegetation Structure

Changes in vegetation structure due to the applied treatments were assessed in a
total of eighteen studies (Table 2). When grazing was combined with a prior management
intervention, shrub cover did not reach the cover of shrubs in control plots. Moreover, in
cases where a control plot did not exist it never reached the same levels as those prior to
intervention. This happened for all studies considered, except in the case of grazing by
cattle at Ramat HaNadiv Park, northern Israel [47]. In this particular case, the applied
grazing was of a low intensity, thus resulting in vegetation cover similar to that of the
control. On the contrary, the high grazing intensity in the same area, which included
garrigue and batha vegetation, affected shrubs [48]. Although there were no data on the
effect of grazing on the cover per se, it was nevertheless pointed out that the shrubland
was converted into grassland [48].

Grazing following prior shrub clearing affected shrub recovery, and thus the structure
of vegetation, for the sites reported in three studies [39,47,49]. Similarly, in cases of shrub
thinning, regarding Quercus calliprinos, subsequent grazing was an impediment to shrub
recovery [43,44]. In the 9-year study, including combined treatments of clearing and
simulated grazing (mowing), the remarkable effect of reducing total vegetation cover was
shown [41]. This was in contrast to that of controlled burning treatments with different
schedules applied on the same site in the same period, where the cover became dense again
two years after the burnings. The cover of woody species also decreased. The potential of
intensive grazing to keep open spaces in grasslands was also reported [50]. Thus, there is a
total of seven studies reporting that grazing contributes to the reduction in or maintenance
of lower shrub cover in comparison to the cover after an initial intervention. Another
two studies showed no change in cover due to grazing [46,51]. An absence of change was
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also reported, regarding the implementation of different grazing intensities (moderate and
high) in batha (phrygana) [43]. For the results above, grazing intensity probably played
a role, with the exception of the last study [43], which was a case of a plant community
of Sarcopoterium spinosum and Calycotome villosa. These dwarf shrubs are undesirable for
selection by animals. The halting of the encroachment of grasslands by those plants is a
key management problem in the Eastern Mediterranean grasslands [52]. Interventions
such as fire and grazing have been recorded as insufficient or having little effectiveness
at halting encroachment [53], even though a wildfire can have an effect on the cover, at
least for a short period of time [54]. Finally, for four studies there was no comparison of
the results between the application and lack of application of grazing after other structural
interventions [55–58]. Although there was no comparison between clearing with grazing
and clearing without grazing in the publications concerning the La Rioja region, such
comparisons are applied, according to a deliverable of the LIFE MIDMACC Project [59].
The monitoring protocol is mentioned by [59].

For six of the studies, an assessment of herbaceous vegetation cover was conducted. In
the case of simulated grazing [41], the herbaceous cover in treated kermes oak shrublands
showed increasing trends in all treatments for at least three years. This was not the case in
another site when grazing was applied, where in this case, despite the initial increase in
herbaceous cover as a result of canopy opening, the herbaceous cover remained stable for
three years (i.e., until the end of the experiment) [56]. However, the two studies are quite
different. In the study in [41], frequent mowing corresponded to a much higher grazing
intensity in respect to the intensity referred to by the authors of [56]. Additionally, grazing
intensity appears to have played an important role in increasing herbaceous cover in a
site dominated by Quercus calliprinos [43]. High grazing intensity after thinning caused
an increase in the herbaceous cover, but with moderate intensity the woody vegetation
recovered, as well as did its cover. The study in [42] reported that herbaceous cover was
increased compared to that under the use of no grazing treatments in all forest stands.
In a study of a chaparral ecosystem, the cover of many herbaceous species (native and
alien) increased after cutting, pile burning, and herbicide application but decreased with
subsequent grazing [51]. Another study showed increased herbaceous cover after the
combination of clearing and grazing compared to that after pure clearing, despite the
tendency of shrub vegetation to recover in both treatments [39].

With respect to bare ground cover, two studies [40,56] reported an increase in the
early stages after clearing or slashing, followed by a gradual decrease. In the case of [40],
bare ground cover was higher than that in the pre-treatment situation every year of the
experiment only in unfertilized plots. In contrast, in fertilized plots, after a remarkable
decrease in bare ground cover during the fourth year of the experiment, its values came
close enough to the pre-treatment situation. Afterwards, it showed some yearly variations,
which were possibly related to each year’s drought. The study in [44] showed that thinning
increased bare ground cover, but subsequent grazing did not. Finally, the authors of [49]
reported that bare ground cover reached the levels of that of a reference dry grassland, as a
result of a combination of annual clearings and grazing.

There are also records of vegetation height, which was measured in eight studies. In all
the studies, the combination of initial interventions with grazing reduced vegetation height
in comparison to that of the control or the initial height, with the rate of recovery varying
according to the experiment, vegetation type, and intervention. In all the cases where
data or references are available, grazing significantly affected the understory vegetation
height [46,48,49,60]. In the latter study, the height was reduced during the fourth year of
grazing compared to that under no grazing. The study in [51] reported changes in the
herbaceous height but not in the shrub height. The study in [44] should be considered an
exception, as it refers to tree-like shrubs of Quercus calliprinos, examining the height of the
oaks that remained after thinning. The average shrub height was increased, a fact that must
be attributed to the opening of the canopy layer, which allowed their further development,
with no significant statistical effect due to grazing. The remaining studies did not report a
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comparison of vegetation height with and without grazing after the first sampling, so it is
not known in how many of these studies grazing had an impact on vegetation height.

Grazing intensity affected the results in most of the cases, with the exception of batha
vegetation in [43], as long as there was a comparison between different ones. The structure
remained open in case studies where high intensity levels were applied. In contrast,
low or moderate intensity left more room for shrubs to develop in the same or adjacent
sites [43,47,48,50]. Similarly, an increase in grazing intensity showed a boost in height
differences between grazed plots and ungrazed ones [60].

3.3. Effects on Productivity

Impacts on productivity were assessed in a total of sixteen studies, with annual yields
and total biomass being the most common parameters assessed (Table 2). In one case, none
of these factors was mentioned for shrubby vegetation, but the number of shrubs was
considered a measure of productivity instead [50]. While this kind of information was
not available, productivity was assessed either through the consumption of vegetation
by animals [45,60] or by the pastural value [61]; the latter was also mentioned in [40].
Clearing seems to achieve better results in terms of yields in herbaceous vegetation for
two different types of plant communities (shrublands of Quercus coccifera and shrublands of
Cytisus scoparius) compared to slashing or trimming [50,56,62]. The opposite was observed
for woody vegetation in all three studies mentioned above, with shrubs recovering more
vigorously after the third year from the initial intervention [56]. In the study in [50], there
was no relevant reference. However, it was pointed out that the percentage of the surviving
shrubs was at least 60% higher after trimming compared to that after other treatments, with
increased grazing intensity largely affecting the further elimination of shrubs. Controlled
burning + grazing, especially in lands experiencing high stocking rates, was even more
effective than clearing + grazing at reducing the number of shrubs, with similar results of
herbaceous vegetation [50].

Another important note is that the effects of fertilization and seeding affected biomass
in most cases, increasing the available herbaceous biomass and favoring it in its competition
with shrub biomass [41,56,57,62–64]. In the case of [57], there was no effect of fertilization
on one of the three sites, though the experiment lasted for one year less than it did in the
other two sites. This effect was shown during the last year of the experiment, with authors
attributing the low impact to poor soil conditions.

In clearings without the use of fertilization, herbaceous biomass did increase in
one case [43,51] compared to the control plots, but a decrease was reported in two other
studies [39,65]. Specifically, the authors of [39] reported a decrease in herbaceous biomass
in the first year after the clearings compared to that after the uncleared + grazed treat-
ments. Cleared plots without grazing had a higher herbaceous biomass than the uncleared
treatments did during the second year, but this was not the case in cleared + grazed plots.
Additionally, in the study in [65], both shrub and herbaceous biomass decreased in the
controlled burning + continuous grazing treatment. Herbaceous biomass was somewhat
higher than that before the intervention of the controlled burning + rotational grazing treat-
ment. It was shown that, before the interventions, herbaceous biomass was much higher
in the plots that were then continuously grazed than in those that were then rotationally
grazed ones [65]. In the study in [66], clearing favored access to herbaceous plants that had
already emerged, which were previously covered by dense shrubs. The pastural value was
reported by the authors of [66] to have increased after clearing + grazing, while the same
happened in the case of [40].

In cases of prior interventions followed by grazing or not, herbivores were effective at
decreasing both shrub and herbaceous vegetation, a finding that is valid for all the commu-
nities of Quercus coccifera where it was studied [56,62,65]. The consumption of shrubs was
also notable in the cases of [45,60]. It was noted that this consumption compensated for the
regeneration levels for two consecutive years. In these two studies, biomass changes were
examined only in terms of shrub and not herbaceous vegetation. On the contrary, although
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no comparison of treatments with or without grazing was reported, the delayed regrowth
of Genista scorpius was not attributed to grazing by cattle and sheep [57]. It was rather
due to the low regrowth rates, while the increase in herbaceous biomass was probably
due to clearing and fertilization. In a study conducted in the Pyrenees with a subconti-
nental climate, goat grazing on G. scorpius communities was involved, and a remarkable
effect on productivity was observed [67]. In this case, the grazing season was the most
strongly determining factor, rather than the grazing intensity. Additionally, the elimination
of G. scorpius shrubs following nine years of grazing simulation (through mowing) was
reported by [40]. However, the authors also noted that the same did not happen in an
experiment where sheep grazing took place. The differentiation of the kinds of grazing
animals must therefore be considered. The only case where the shrub biomass did not
decrease due grazing, but only the herbaceous biomass decreased, was reported by the
authors of [51]. This reduction in the herbaceous component should be partially attributed
to the sampling protocol. The comparison between grazing and no grazing was performed
in the same year and treatments, before and after the grazing application. Vegetation was
sampled during July 2018 before grazing and October 2018 after grazing. The authors also
stated that goats can act as browsers under heavy grazing or with a prolonged time for
grazing in pastures. The study in [45] concluded that a heavy grazing regime played a
decisive role as a biotic shape factor in a chaparral landscape. Indeed, goats covered their
feeding demands at high rates of utilization, even if shrubs in the chaparral were initially
considered ab undesirable feeding resource for them. These results are in accordance with
those of other reviewed studies, where an increase in grazing intensity led to an increase in
herbaceous production [43] and/or a decrease in the woody component [50,60].

Finally, only five studies concerned the changes in dead biomass or in the fuel parame-
ters of the pastures, with two of them recording changes in the litter [43,51], one recording
dead fuels of a diameter lower than 0.64 cm, also known as 1 h fuels [65] and another
two recording the changes in the fuel models at a landscape level in the La Rioja re-
gion [66,68]. The combination of grazing with previous interventions reduced the number
of fuels in all the above studies. The impact of grazing on fuel reduction was characterized
as positive [65] with the authors of [43] mentioning only a decrease in litter under a high
grazing intensity.

3.4. Effects on Floristic Diversity

Four different indexes in relation to floristic diversity and grazing followed by other
interventions were used in twelve studies, including those on species richness, Shannon–
Weaver diversity index, Bray–Curtis dissimilarity, and contact-specific contribution (CSC)
(Table 2). Species richness was mentioned in eleven of them and generally followed a
pattern similar to that of the other indexes, except for CSC. It should be noted that the three
studies concerning the area of Herault in France referred to the same experiment [38,40,41],
and two studies referred to the La Rioja region (Spain) [55,68].

Clearing + grazing had mixed results in terms of species richness, particularly in
relation to pure clearing. In comparison to the control plots or the pre-treatment situation,
in a shrubland of Quercus coccifera [40], chaparral, [46] and forest with understory brambles
(Rubus ulmifolius) [60], there were positive results in terms of the species richness that
was observed after some years. For the first study, this may be attributed to the vigor
of Quercus coccifera and the various ways it reproduces [69,70], although there are site
variations, as was shown by the authors of [71]. As for R. ulmifolius, its high seed dispersal
was not always reflected in its recruitment patterns [72]. According to [49], rapid growth,
a rich seed bank, and drought resistance are the main reproductive advantages of plant
species as soon as they are established in a field. A restoration experiment on grassland
invaded by R. ulmifolius showed visible positive results in terms of richness immediately
after the treatments [49]. In the study in [42], positive results were observed at the end of
the interventions. The same was true for a couple of studies on the La Rioja region [55,68].
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Clearing without grazing had positive effects on species richness and diversity, while
when clearing + grazing was applied these effects were reduced to some extent [48].
This was attributed to the fact that winter clearing contributed to the creation of an open
landscape, favoring certain species, some of which were driven to extinction under intensive
grazing during the subsequent growing season. The study in [39] also demonstrated a
decrease in species richness and diversity due to grazing. The authors hypothesized
that the decrease could have been linked to local geoclimatic conditions, tree shading,
composition, and plant functional groups. On the contrary, when cuttings took place every
three years in the originally treated plots without grazing + fertilizing, species richness
was conferred by grazing [42]. Authors observed that grazing increased plant competition
and prevented the dominance of certain species in the understory. In the area of Herault,
France, clearing + simulated grazing was more beneficial to species richness than pure
controlled burning was [41], although some species seem to have appeared only in the plots
where fertilization was applied [40]. Richness was lower in heavily fertilized plots than in
moderately fertilized plots, while less frequent mowing conferred it [38]. This site was the
only one where two fertilization levels were applied; species richness responded negatively
to heavy fertilization in comparison to a moderate level of fertilization, but the CSC index
did not. In the same study, it was shown that the latest cutting time period, corresponding
to the lowest grazing intensity, was the most beneficial one regarding floristic richness. In
another study, in a site covered by brambles species richness increased with grazing and
yearly clearings, but Shannon–Weaver diversity remained significantly similar, regardless
the number of clearings and the addition of grazing the lack thereof [49]. In the other
study taking place in a bramble-covered site, the positive impact of clearing + grazing in
comparison to that of clearing + no grazing was the most significant one in 2016. In this
year, there was an increase in grazing intensity, while in clearing + no grazing plots species
richness remained the same as that of the previous year. In a similar study on chaparral,
there was a negative effect on species richness in a single-year measurement, with reference
not only to native, but also non-native species [51].

4. Management and Monitoring Implications

The mechanical, manual, burning, and chemical interventions mentioned in the above
review contributed to a decrease in shrub cover, creating more accessible pastures for
grazing animals. They also increased herbaceous production, and fresher and more acces-
sible woody forage in many cases. The follow-up grazing regimes had different results
depending on the site, the treatments and their purpose.

The maintenance of some shrub cover is important for productive purposes since
herbivores need to utilize various forage components during the year [13,35]. However,
when it comes to fuel management, keeping woody biomass at low levels is of high impor-
tance [51]. Higher fertilization levels in cleared stands could increase forage productivity
but decrease floristic richness in comparison to moderate fertilization [38]. Therefore, it
is always important to recognize that the management purposes of fire prevention, opti-
mization of production, and maintenance of biodiversity might be contradictory to each
other [47]. Thus, a landscape mosaic needs to be maintained, allowing all these environ-
mental and economic aspects to be addressed in the best possible way. Such landscapes
can be maintained via the presence of livestock for both commercial and targeted grazing
purposes. Integrated management efforts such as the ones in Esterel hills (France) and
La Rioja (Spain) can serve the above purposes, while there is a need for cooperation with
livestock breeders, who should be trained and encouraged to share their knowledge and
work in a professional way [58,66,73].

Stocking rates are very important in such efforts because proper grazing intensity,
applied by trained and motivated grazers, can contribute to the maintenance of shrub
biomass at low levels despite variations in animal feed preferences [43,48]. In some cases, it
can even reduce herbaceous production and increase bare ground cover. The impact of the
applied stocking rates on floristic diversity may be visible as well, since a heavy grazing
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regime can negatively affect it [38,48]. Overall, our review study showed mixed results
in terms of richness, although some studies did not include such data. A meta-analysis
focusing mostly on non-Mediterranean ecosystems showed that a reduction in floristic
diversity is common in cases of high stocking rates [74].

It is important to note that elevated rainfall levels can mitigate the effects of high stock-
ing density, and thus there is a need for the adaptation of grazing to strong meteorological
variations [75,76]. Such a managerial approach has not been adequately examined in the
studies of the present review.

When fertilization and seeding are allowed according to cost evaluations, they can
increase pasture production. Subsequent grazing can also promote floristically richer sites
compared to pure controlled burning or clearing even if the latter are repeated [38,42].
Nevertheless, harsh climatic variations, such drought events, could affect environmental
balance more in fertilized or seeded stands than in stands with a natural understory [40,64].
A repeated combination of mechanical intervention and annual grazing could sometimes
be recommended to create herbaceous communities [49]. In terms of comparing different in-
terventions, clearing seems to be more effective against shrubs than slashing, though, apart
from the specific nature of management goals, the costs also need to be considered [56,62].
Unfortunately, only two studies compared controlled burning + grazing to mechanical
interventions + grazing [46,50].

In general, the most important factors that regulate productivity are grazing intensity
and animal dietary preferences. There can be an effect on biomass even with a normal
grazing intensity, especially if, in the case of goats, the consumption of grasses and shrubs
can function in a complementary way. Even if consumption is limited to shrubs that
are not dominant in the landscape, variation in annual shrub production may become
apparent under sheep grazing [56]. The decisive role of grazing intensity was recorded
in several studies [43,45,50,60]. According to the study in [45], fencing can increase the
effect of grazing in clear-cut management treatments, via achieving objectives such as
fuel reduction. In cases where previous clearing has taken place, fencing is not always
necessary to regulate grazing as a fire prevention technique [45,77]. Grazing intensity and
vegetation consumption can also be partially regulated by factors such as the placement
of stockyards [60]. This is also mentioned by other authors in terms of the distance from
stockyards; to the effectiveness of grazing at reducing shrub production seems to be
regulated more at closer [78] than at longer distances [77].

Monitoring of the practices discussed above should involve longer-term changes. The
highest duration in the reviewed studies was 31 years [66]. The changes in a Quercus suber
ecosystem that was partially and periodically cleared were observed for 70 years, show-
ing that longer monitoring schemes can be conducted [79]. The authors found that fuel
management based exclusively on hand labor is costly. Thus, it can be hypothesized that
grazing could serve as a low-cost alternative.

5. Conclusions

Mediterranean-climate regions (MCRs) have a long history of disturbance-based
interventions for livestock use. Their use in newly transformed pastures has varied effects
on plant structure, productivity, and floristic diversity. As far as humans can control these
effects, important factors of the management regime, such as initial interventions and the
presence of domestic (or wild) animals utilizing the pastures, along with grazing intensities,
are very important. To our knowledge, the current biographical research is a novel attempt
to summarize existing knowledge on the combined use of grazing and other mechanical or
manual management interventions in the grasslands of MCRs.

Scientific society has shown increasing interest in meta-disturbance management
in Mediterranean pastures. Since the first study by P. Poissonet and collaborators was
published in 1978, several other relevant studies have emerged at a rate of 24% in 5-year time
increments. The 26 publications included in this review focused on the effects of grazing
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combined with other management tools on vegetation structure, biomass productivity and
floristic diversity.

After a primary reduction inf shrub cover, more herbaceous forage is available. In
some cases, shrubs tend to recover in grazed pastures but in general, grazing contributes
to the maintenance of grassland formations. Vegetation height was reduced almost in
all case studies. Additionally, floristic diversity could be adjusted according to the type
and intensity of initial interventions and grazing. These findings are extremely useful for
grassland restoration purposes.

Despite its possible recovery, shrub biomass is affected by grazing in most cases.
The impact of grazing after the other interventions on floristic diversity was mixed, with
richness being the index most frequently measured. Additional interventions for productive
purposes, such as fertilizing and seeding, affect results, as do pasture management factors,
such as the selection of animals and grazing intensity. Further research topics could include
the adjustment of stocking rates in a vulnerable climate for longer periods, and the inclusion
of fuel parameters of vegetation and wild fauna in the consideration of impacts, while more
rangeland types, such as wet grasslands, could be included in the research.

Additional research may be required to define the spatial scale of application. Predic-
tion tools, such as different development scenarios [80] or even spatially explicit models [81],
can be incorporated in long-term management policies as well. The improvement of capa-
bilities and the broader adoption of technologies such as GIS and remote sensing during
recent decades nowadays offer opportunities for better pasture management and moni-
toring [82–84]. More studies on the fuel properties of vegetation in relation to its use by
herbivores as a wildfire prevention tool should be implemented, and the practice should
be considered even for countries where it has not been applied before [85]. Furthermore,
research on the impact of such interventions on animal biodiversity is quite limited. Fi-
nally, combinations of interventions such as those discussed in this paper could also be
considered for a wider variety of Mediterranean ecosystems.
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Abstract: Sclerophyllous scrub formations, the main vegetation type in many islands of the Aegean
area, provide many goods and services to humans, such as biodiversity, soil protection, and forage for
livestock and wildlife. Dominant shrub species of sclerophyllous formations are well adapted to dry
season conditions due to various anatomical and physiological mechanisms. As a result, their biomass
acts as very flammable, fine fuel, and consequently, wildfires are very common in these ecosystems.
Wildfire effects on vegetation and biodiversity in the Mediterranean basin have been studied, and the
results are diverse, depending mainly on the vegetation type and frequency of fires. Additionally,
post-fire vegetation establishment and structure are critical factors for the implementation of grazing
management. The aim of this study was to evaluate the effects of wildfire on species composition,
floristic diversity, forage quality, and rangeland health indices related to ecosystem stability and
function in three thermo-Mediterranean vegetation types: (1) Sarcopoterium spinosum low formations,
(2) low formations of Cistus creticus, and (3) low formations of Cistus creticus in abandoned terraces.
The research was conducted on the Oinousses islet, which is located northeast of Chios Island, in
May 2013 (one year after the fire). Vegetation sampling was performed along five transects placed in
recently burned and adjacent unburned sites of each vegetation type. The plant cover was measured,
while the floristic composition, diversity, evenness, and dominance indices were determined for the
vegetation data. Additionally, the forage quality was determined in terms of crude protein (CP) and
fiber content. The vegetation cover was significantly lower, and the floristic diversity was significantly
higher in burned areas in comparison to those in the unburned areas. Woody species, followed by
grasses and forbs, dominated in both the burned and unburned areas. However, the percentage of
woody species was significantly decreased in the burned areas of Sarcopoterium spinosum and Cistus
creticus low formations. On the other hand, the percentage of grasses, forbs, and legumes increased in
all cases except in Cistus creticus terraces. The lowest value of the Jaccard Index of similarity between
the burned and unburned sites (beta diversity) was observed for Cistus creticus, indicating the effect of
fire on the species composition of this vegetation type. The forage quality was found to be improved
in all the burned areas, especially in those dominated by Cistus creticus. Finally, fire has a positive
impact on the ecosystem’s functions, mainly for Sarcopoterium spinosum low formations.

Keywords: phrygana; rangeland health; diversity; nutritive value; fire; garrigue

1. Introduction

Sclerophyllous low scrub formations are common habitats at low and middle altitudes
in the eastern Mediterranean and Anatolian areas. They are sub-habitats of the F7.3
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European Red List of Habitats [1]. They usually occupy dry sites with shallow limestone
(calcareous) soils. According to the EU’s description of the habitats, they are located
in the coastal thermo-, meso-, and supra-Mediterranean zones of the Aegean islands,
in mainland Greece and the Ionian islands, and in coastal Anatolia and Crete (up to
1200 m a.s.l.) [2]. These habitats, which are also referred to as ‘phrygana’ in Greece and
garrigue in other countries [3], are traditionally used for grazing by livestock. They consist
mainly of low, thorny, dimorphic shrub species [4]. The aforementioned species have
developed an adaptation mechanism to dry thermal conditions in the Mediterranean
basin by replacing winter leaves with much smaller summer ones in order to conserve
water [5,6]. The most characteristic dominated species are Sarcopoterium spinosum, Cistus
creticus, C. salviifolius, Erica manipuliflora, Genista acanthoclada, Phlomis fruticosa, Corydothymu
scapitatus, and Euphorbia acanthothamnus [7].

Sclerophyllous scrub formations are very diverse ecosystems. They comprise some
of the most species-rich plant communities in the Mediterranean basin and provide many
goods and services to humans. Regarding regulating and supporting services [8], they
contribute to the regulation of soil quality and protection, carbon sequestration, and provide
a habitat for wildlife. Concerning provision services, they provide medicinal and aromatic
plants, chemical extracts, and food as the majority of dominated scrubs and many of the
understory herbs have medicinal and aromatic properties, e.g., honey from wild herbs, as
well as forage for livestock and wildlife [9].

These ecosystems in the Aegean islands have been traditionally used for grazing by
livestock. Despite the fact that the main use of these ecosystems is grazing, the dominated
phryganic species are unpalatable and/or less desirable for grazing. This means that the
main source of forage is the herbaceous species under or among the shrubs. Thus, an
increase in the density of the phryganic species will result in a decrease in the availability
and quality of the forage. In addition to the reduction of forage availability, this thickening
would also result in a decrease in species richness and floristic diversity. Shepherds in these
areas know this and use fire as a tool to increase the forage quantity and quality [7]. Addi-
tionally, they are among the major fire-prone biomes in the world [10]. Fire in this biome
is an essential ecological process and beneficial for the ecosystem’s function [11]. In this
respect, grazing and fire are key factors that have interacted with and shaped the structure
and function of plant communities in the phryganic ecosystems in the Aegean islands.

However, grazing has drastically decreased in the past few decades in these areas,
mainly due to changes in land uses and the increase in tourism. This has led to changes
in landscapes and the environment, changes in vegetation composition and structure,
decreases in forage quantity and quality, increases in woody vegetation, and the loss of
biodiversity, endangering the provision of key ecosystem services [12,13]. Furthermore,
the increase in woody vegetation may contribute to an increase in the risk and/or the
frequency of wildfires. Fire-prone biomes have a characteristic historical range of variability
in frequency, severity, and patchiness of fires [14]. Any change in this historical range due
to human intervention can alter the ecosystem’s response to fire [15].

The effect of fire on ecosystem services has been studied mainly in forest ecosystems
and for services related to soil stability and fertility [15]. The general view is that fire is a
natural disaster and has a negative effect on ecosystem services. On the other hand, these
ecosystems can remain stable under grazing and burning [16]. Particularly for post-fire
grazing management, the question that arises is: when can it be applied to burned areas?
The implementation of grazing management in burned areas directly depends on the
establishment and structure of post-fire vegetation. Livestock grazing in burned areas
before vegetation is well established could lead to ecosystem degradation. On the other
hand, the thickening of vegetation before livestock grazing could make the ecosystem
vulnerable to a new fire. However, research about the effect of fire on ecosystems adapted
to fire, such as the sclerophyllous low scrub formations, is limited. The sclerophyllous low
scrub formation of Aegean islands is assessed at the Least Concern status [2] based on
Indicators of quality of the European Red List of Habitats [1]. This is mainly because of the
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extensive distribution of this habitat in the Eastern Mediterranean, which has not decreased
in recent years. However, these ecosystems are highly affected by human activities such
as grazing, fire, and cultivation abandonment. Therefore, further research focusing on the
quality characteristics of these ecosystems is needed in order to detect the role of human
activities in plant communities and how they affect the provision of their services. In
this respect, the aim of the present study was to detect the effects of wildfire on species
composition, floristic diversity, forage quality, and rangeland health indices related to
ecosystem stability and function in three thermo-Mediterranean vegetation types (1) low
formations of Sarcopoterium spinosum, (2) low formations of Cistus creticus and (3) low
formations of Cistus creticus in abandoned terraces. This information could be a tool for
managers to implement grazing plans in the burned areas of these ecosystems.

2. Materials and Methods

2.1. The Study Area

The study was conducted in Oinousses islet (38◦20′00′ ′ N, 26◦08′00′ ′ E, 80 m a.s.l.),
which is in the Eastern Aegean Sea in May 2013. The islet is located in the sea channel
between the NE coast of Chios Island (Greece) and the western coast of Anatolia (Turkey)
(Figure 1). Oinousses islet covers an area of 14 km2 and belongs to the NATURA 2000
network. The mean annual temperature is 10.2 ◦C, and the mean annual precipitation
is 556 mm. The climate is classified as Mediterranean, with mild winters and dry, very
hot summers, and as Csa, according to the bioclimatogram of Emberger and the Köppen–
Geiger classification, respectively [17]. The most important economic activities in the area
are livestock production, agriculture, and fishing. Rangelands cover 90.8% of the area,
dominated by sclerophyllous scrub vegetation. These semi-natural formations, mainly of
garigue–phrygana, have also occupied the abandoned agricultural terraces. The rangelands
of Oinousses islet are public and communally grazed by small ruminants, mainly goats
with approximately 1000 heads, throughout the year.

Figure 1. The study area in the Oinousses islet.
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A wildfire in the summer of 2012 burned a huge part of the northwestern part of the
islet. Three thermo-Mediterranean vegetation types were identified in the burned and
the unburned part of the islet: (1) low formations of Sarcopoterium spinosum (S. spinosum),
(2) low formations of Cistus creticus (C. creticus), and (3) low formations of C. creticus in
abandoned terraces. In each vegetation type, recently burned and adjacent unburned
representative sites were selected in the spring of 2013, one year after the wildfire (Figure 2).

Figure 2. (a) Burned and the adjustment unburned area in Cistus creticus low formations; (b) Burned
abandoned terraces with Cistus creticus.

2.2. Vegetation Data Collection and Analysis

Due to the homogeneity of the habitats, five experimental transects of 20 m each were
established along the contour lines at each site, at a distance of at least 100 m between
them. The plant cover was measured at the end of the growing season 2013 in each transect
according to the line-and-point method, which is widely used in rangeland studies [18].
Transect lines are placed in a way that every point has a similar elevation. Transects were
set up in vegetation, and 100 recordings (per 20 cm) were conducted per transect. A total
of 3000 points were recorded. The total number of live plant species hits was the plant
cover. The vegetation sampling was conducted at the peak of the flowering season, i.e.,
May, in order to ensure the presence of a high range of the plant community life forms. The
nomenclature of the recorded plant taxa follows Strid and Tan [19,20] and Tutin et al. [21–25].
The floristic composition was calculated from plant cover measurements and classified into
four functional plant groups: grasses, legumes, forbs, and woody. Legumes were presented
separately from forbs because of their nutritional importance for small ruminants [26].
Floristic diversity, evenness, and dominance were determined for each transect [27] by the
number of species, the Shannon–Wiener diversity index (H′), the Simpson diversity index
(D), the Buzas and Gibson evenness (E) and the Berger–Parker dominance index (d) [28–30].

Additionally, the Jaccard index was estimated by the following formula: Cj = j/(a + b − j),
where: j = the number of species common to both sites, a = the number of species in site
A, and b = the number of species in site B. All the diversity indices were calculated using
PAST vol. 4 [31].

2.3. Development of Indices of Landscape Stability, Composition, and Function

Three ecosystem variables, including landscape composition, landscape function, and
landscape stability, were utilized to develop indices of rangeland health based on empirical
data collected at the same time next to the five experimental transects from each vegetation
type [32–35].

Six attributes were used to calculate these indices (Table 1). The possible range of each
attribute was divided into 5 or 6 ecologically meaningful classes, and each class was then
assigned a value according to its perceived effect on composition, function, or stability.
The percentage of plant cover, which is a crucial component of composition and stability,
was divided into five classes, thus: 0–10%—1, 10–25%—2, 25–50%—3, 50–75%—4, and
>75%—5. Accordingly, a site with 65% plant cover would receive a value of 4. For ‘land-
scape function’, herbage production was divided into five classes, thus: 0–700 kg ha−1—1,
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701–1400 kg ha−1—2, 1401–2100 kg ha−1—3, 2101–2800 kg ha−1—4, and >2801 kg ha−1—5,
while soil erosion was also divided into five classes: very severe—1, severe—2, moderate—3,
slight—4, and insignificant—5. Data on woody species and legumes were used as inputs
for the composition and function indices such that a higher score indicated a greater cover
of woody and legumes. Data on species richness were also used as inputs for the composi-
tion and function indices. ‘Species richness’ was divided into five classes: 1–5 species—1,
6–10 species—2, 11–15 species—3, 16–20 species—4, and >21 species—5. The total score
was calculated by adding the score of each attribute.

Table 1. Attributes, possible scores, and maximum scores used for calculating indices of landscape
composition, function, and stability.

Attributes
Landscape Indices

Composition Function Stability

Plant cover (%) 1–5 1–5
Woody cover (%) 1–5
Species richness 1–5

Erosion 1–5 1–5
Herbage production 1–5

Legumes (%) 0–5
Range of scores 3–15 2–15 2–10

Total score 5–30

2.4. Forage Nutritive Value

Forage production was collected by clipping two 0.5 m × 0.5 m squares at 5 and 15 m
points of each transect (i.e., 10 squares per treatment) in every burned and unburned plot,
at 1 cm above ground, at the end of the growing season during the experimental period.
Only annual twigs and leaves of woody species were included. Forage production in the
unburned areas was separated into herbage and woody production. These samples were
oven-dried at 60 ◦C for 48 h and weighed [36]. All the herbaceous samples from each
vegetation type were ground through a 1-mm screen and analyzed for neutral detergent
fiber (NDF) and acid detergent fiber (ADF) with the ANKOM fiber220 analyzer (ANKOM
Technology Corporation, Fairport, NY, USA). NDF was estimated with the addition of
sulfite, and ADF analysis was sequential to NDF analysis. ADF samples were incubated
with 70% sulphuric acid for the determination of acid detergent lignin (ADL) [37] and N
using the Kjeldahl procedure [38]. CP was then calculated by multiplying the N content by
6.25. All analyses were carried out on duplicate samples, and results were reported on a
DM basis.

2.5. Statistical Analysis

A two-way analysis of variance (ANOVA) was performed to examine the influence
of the factor vegetation type and the factor treatment (burned vs. unburned) and their
interaction on the univariate measures: (1) plant cover, (2) functional group composition,
(3) diversity indices, (4) rangeland health indices, and (5) nutritive value parameters. Data
sets consisting of percentage values were arcsine-transformed to degrees prior to analy-
sis [39]. The Tukey–Kramer at the 0.05 probability level was used to detect the differences
among means [40]. All statistical analyses were performed using the SPSS statistical pack-
age v. 27.0 (IBM Corp. in Armonk, NY, USA). An additional PCA analysis was conducted
in order to study the patterns of variation in the datasets of floristic composition. The
taxa that were presented to all plots in each site, and they had a percentage of more than
5% in species composition, were included. Biplot was constructed based on PCA output
in order to visualize the distribution of burned and unburned sites in relation to floristic
composition. The PCA analysis was carried out using the package Vegan (v2.5-6) of R.
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3. Results

3.1. Plant Cover—Composition—Floristic Diversity

In total, 47 species were recorded in all the studied sites (Supplementary Table S1). The
woody species, followed by grasses and forbs, dominated in both burned and unburned
areas. The common species in all the studied sites were Avena barbata, Briza maxima,
Trifolium campestre, and Vulpia myuros. According to the PCA, the floristic composition
clearly distinguished the burned and unburned sites (Figure 3). This was more obvious for
C. creticus and S. spinosum burned and unburned sites located on the right and left side of
PCA1, respectively. On the other hand, both the burned and unburned sites of C. creticus
terraces were located on the left side of PCA1 and close to all the unburned sites (Figure 3).
PC1 and PC2 accounted for 31% and 24% of the total variation, respectively.

Figure 3. Biplot of principal component analysis based on the floristic composition in vegetation
types (1) Sarcopoterium spinosum (Sarcop), (2) low formations of Cistus creticus (Cistus), and (3) low
formations of Cistus creticus in abandoned terraces (CistusT) in burned (Black dot) and adjacent
unburned sites (Blue dot). AirEl: Aira elegantissima, AntOd: Anthoxanthum odoratum, AveBa: Avena
barbata, BitBi: Bituminaria bituminosa, BriMa: Briza maxima, BroSc: Bromus scoparious, CarPy: Cardus
pycnocephalus, CerGl: Cerastium glomeratum, CisCr: Cistus creticus, CisSa: Cistus salviifolius, CreCo:
Crepis commutate, DacGl: Dactylis glomerata, EriMa: Erica manipuliflora, FilGa: Filago gallica, GasVe:
Gastridium ventricosum, HorMu: Hordeum murinum, LagOv: Lagurus ovatus, LavSt: Lavandula stoechas,
LotPe: Lotus peregrinus, OrnCo: Ornithopus compressus, PetDu: Petrorhagia dubia, PisLe: Pistacia lentis-
cus, PlaLa: Plantago lanceolata, PlaWe: Plantago weldenii, SarSp: Sarcopoterium spinosum, SheAr: Sheradia
arvensis, SilGa: Silene gallica, TarS: Taraxacum sp, TriAn: Trifolium angustifolium, TriAr: Trifolium
arvensis, TriCa: Trifolium campestre, TriSt: Trifolium stellatum, TubGu: Tuberaria guttata, VicVi: Vicia
villosa, VulMy: Vulpia myuros.

The highest Jaccard similarity index was recorded between the burned areas of
C. creticus and S. spinosum (Table 2). This is indicative that similar species were estab-
lished in both areas after the fire. Inversely, burned and unburned sites of C. creticus had
the lowest similarity indicating that the fire altered the floristic composition of C. creticus
low formations (Table 2).
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Table 2. Values of Jaccard similarity index between the study areas.

CisUn * CisTUn * SarcoUn * CisBur * CisTBur * SacroBur *

CisUn 1
CisTUn 0.368 1
SarcoUn 0.309 0.393 1
CisBur 0.254 0.339 0.246 1

CisTBur 0.271 0.340 0.322 0.308 1
SarcoBur 0.292 0.311 0.379 0.473 0.352 1

* CisUn: Cistus creticus Unburned, CisBur: Cistus creticus Burned, CisTUn: Cistus creticus Terraces Unburned,
CisTBur: Cistus creticus Terraces Burned, SarcoUn: Sarcopoterium spinosum Unburned, SarcoBur: Sarcopoterium
spinosum Burned

Significant differences between burned and unburned sites were recorded for plant
cover, all the functional plant groups, number of species, Evenness, and the Berger–Parker
dominance index (Table 3). Additionally, significant differences for plant cover, forbs,
woody species, number of species, Shannon, Evenness, and the Berger–Parker dominance
index were recorded among the vegetation types. The interaction of burning and vegetation
type was significant for the plant cover, all the functional plant groups apart from legumes,
the number of species, Evenness, and the Berger–Parker dominance index (Table 3).

Table 3. Statistical significance of F ratios from the analysis of variance for plant cover, functional
group composition, and diversity indices.

Burning Vegetation Type B*V

Plant cover * * *

Grasses * NS *
Legumes * NS NS

Forbs * * *
Woody * * *

Number of species NS * *
Shannon (H) * * NS
Simpson (D) NS NS NS

Evenness (eˆH/S) * * *
Berger–Parker * * *

* Significant (F Test at p ≤ 0.05); NS p > 0.05

The plant cover (across vegetation types) was found significantly decreased in the
burned sites in 2013, i.e., one year after the wildfire. Functional group composition was
differentiated between sites. Burning reduced the percentage of woody species while it
increased the percentages of the other plant functional groups. There was a trend of higher
floristic diversity in the burned sites, as the Shannon index and Evenness were significantly
higher, while the Berger–Parker dominance index was significantly lower (Table 4).

Plant cover (across burning) was significantly higher in the S. spinosum phrygana. The
percentage of forbs was significantly lower, and this of woody species was significantly
higher in the low formations of C. creticus compared to those recorded in the other vege-
tation types (Table 5). Floristic diversity indices (Number of species, Shannon, Evenness)
were significantly lower in the terraces with C. creticus. Berger–Parker index of dominance
followed the opposite trend.

Plant cover in the unburned sites did not differ among the vegetation types, while in
the burned ones, it was found higher in the S. spinosum low formations (Figure 4).
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Table 4. Effects of burning (across vegetation types) on plant cover, functional group composition,
and diversity indices.

Unburned Burned

Plant cover (%) 90.5 a * 56.3 b

Grasses 16.4 b 27.5 a
Legumes 3.4 b 9.6 a

Forbs 9.3 b 16.3 a
Woody 70.9 a 46.6 b

Number of species 16.0 a 15.0 a
Shannon (H) 1.7 b 2.0 a
Simpson (D) 1.7 a 1.3 a

Evenness (eˆH/S) 0.37 b 0.58 a
Berger–Parker 0.53 a 0.39 b

* Means within each row followed by the same letter are not significantly different (p > 0.05).

Table 5. Effects of vegetation type (across burning) on plant cover, functional group composition,
and diversity indices.

Cistus Cistus Terraces Sarcopoterium

Plant cover (%) 68.1 b * 68.2 b 83.9 a

Grasses 26.7 a 18.3 a 20.8 a
Legumes 6.3 a 9.2 a 4.0 a

Forbs 18.4 a 9.0 b 10.9 b
Woody 48.6 b 63.4 a 64.3 a

Number of species 17 a 13 b 17 a
Shannon (H) 2.1 a 1.7 b 1.9 a
Simpson (D) 1.4 a 1.7 a 1.4 a

Evenness (eˆH/S) 0.53 a 0.43 b 0.43 b
Berger–Parker 0.40 b 0.56 a 0.44 b

* Means within each row followed by the same letter are not significantly different (p > 0.05).

Figure 4. Effects of burning and vegetation type on the plant cover. Columns followed by the same
letter are not significantly different (p > 0.05).

The percentage of grasses was significantly lower in the terraces with C. creticus than
the other vegetation types in the burned area, while in the unburned area, it was higher
than that recorded in the S. spinosum low formations. Grass percentage increased in the
burned areas with low formations of C. creticus and in S. spinosum but burning did not
affect their presence in the terraces with C. creticus (Figure 5a). The percentages of forbs
were significantly higher only in the burned sites with low formations of Cistus creticus
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and with S. spinosum. Grass percentage was higher in the burned low formations of
C. creticus compared to the other burned vegetation types, while no significant difference
was recorded among the unburned vegetation types (Figure 5b). Woody species percentage
was not changed with burning in the terraces with C. creticus, while it decreased in the
other vegetation types. It was significantly higher in the burned terraces with C. creticus
that in the other burned vegetation types (Figure 5c).

(a)

(b)

(c)

Figure 5. (a) Effects of location and year on grasses percentage. Columns followed by the same letter
are not significantly different (p > 0.05). (b) Effects of location and year on forbs percentage. Columns
followed by the same letter are not significantly different (p > 0.05). (c) Effects of location and year
on woody species percentage. Columns followed by the same letter are not significantly different
(p > 0.05).
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The number of species was significantly reduced only in the burned terraces with
C. creticus (Figure 6a). No differences in Evenness were detected among the not burned
vegetation types, while in the burned ones, Evenness was significantly higher in the low
formations of C. creticus. Only in this vegetation type had burning significantly increase
this diversity index (Figure 6b). Berger Parker dominance index was significantly higher in
the burned terraces with C. creticus followed by low formations of S. spinosum, while no
differences were found among the unburned vegetation types. Burning did not affect this
index in the terraces with C. creticus (Figure 6c).

(a)

(b)

(c)

Figure 6. (a) Effects of location and year on the number of species. Columns followed by the same
letter are not significantly different (p > 0.05). (b) Effects of location and year on evenness of species.
Columns followed by the same letter are not significantly different (p > 0.05). (c) Effects of location and
year on Berger–Parker dominance index. Columns followed by the same letter are not significantly
different (p > 0.05).
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3.2. Nutritive Value

Significant differences between the burned and the unburned areas were recorded
for NDF, ADF, and ADL content (Table 6). Additionally, significant differences in CP and
NDF contents were recorded among the vegetation types. The interaction of burning and
vegetation type was significant for CP, NDF, and ADF contents (Table 6).

Table 6. Statistical significance of F ratios from the analysis of variance for chemical composition.

Burning Vegetation Type B*V

CP NS * *
NDF * * *
ADF * NS *
ADL * NS NS

* Significant (F Test at p ≤ 0.05); NS p > 0.05

The NDF and the ADF contents (across vegetation types) were higher in the unburned
sites, while ADL content was higher in the burned ones (Table 7). As the interaction of
burning and vegetation type was not significant for the ADL, the ADL content was higher
in the burned sites compared to the unburned for all the vegetation types. Wildfires did
not affect the CP content of the vegetation.

Table 7. Effects of burning (across vegetation types) on chemical composition.

Unburned Burned

CP 97.5 a * 90.7 a
NDF 602.9 a 495.5 b
ADF 378.4 a 349.6 b
ADL 69.7 b 96.2 a

* Means within each row followed by the same letter are not significantly different (p > 0.05).

CP content was significantly higher in low formations of C. creticus compared to those
recorded in the other vegetation types (Table 8). NDF content recorded in low formations
of C. creticus in the abandoned terraces was significantly lower than those found in the
other vegetation types. There were no significant differences among the vegetation types
for ADF and ADL contents.

Table 8. Effects of vegetation type (across burning) on chemical composition.

Cistus Cistus Terraces Sarcopoterium

CP 106.6 a * 87.9 b 83.3 b
NDF 560.0 ab 517.0 b 570.5 a
ADF 362.2 a 356.8 a 373.0 a
ADL 79.1 a 81.0 a 83.0 a

* Means within each row followed by the same letter are not significantly different (p > 0.05).

The CP content in both burned and unburned sites was significantly higher in the low
formations of C. creticus compared to the other vegetation types. The CP content in the
unburned low formations of S. spinosum was higher than that recorded in the burned sites,
while no significant differences were detected between burned and unburned sites in the
other vegetation types (Figure 7a).
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(a)

(b)

(c)

Figure 7. (a) Effects of burning and vegetation type on the CP content. Columns followed by the
same letter are not significantly different (p > 0.05). (b) Effects of burning and vegetation type on the
NDF content. Columns followed by the same letter are not significantly different (p > 0.05). (c) Effects
of burning and vegetation type on the ADF content. Columns followed by the same letter are not
significantly different (p > 0.05).
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The NDF and ADF contents in both the burned sites dominated by C. creticus were
lower than those not burned, while the opposite trend was recorded in the S. spinosum,
being, however, significant only for the ADF. The NDF and ADF contents in both unburned
sites with C. creticus were significantly higher than that of S. spinosum, while in the burned
sites, the results were the opposite (Figure 7b,c).

3.3. Landscape Indices

Significant differences among vegetation types were recorded only for the stability
index of the landscape, while burning affected all the landscape indices except the total
score (Table 9). The interaction of burning and vegetation type was significant for the
landscape composition and stability indices (Table 9).

Table 9. Statistical significance of F ratios from the analysis of variance for indices of landscape
composition, function, and stability.

Burning Vegetation Type B*V

Total score NS NS NS

Composition * NS *
Function * NS NS
Stability * * *

* Significant (F Test at p ≤ 0.05); NS p > 0.05

The indices of landscape function and stability were decreased by burning, while the
landscape composition index was significantly higher in the burned sites (Table 10).

Table 10. Effects of burning (across vegetation types) on indices of landscape composition, function,
and stability.

Unburned Burned

Total score 18.3 a 17.3 a

Composition 10.0 b 10.9 a
Function 8.3 a 6.4 b
Stability 9.6 a 7.5 b

Means within each row followed by the same letter are not significantly different (p > 0.05).

The landscape stability index was significantly higher in the low formations of S.
spinosum compared to the other vegetation types (Table 11).

Table 11. Effects of vegetation type (across burning) on the indices of landscape composition, function,
and stability.

Cistus Cistus Terraces Sarcopoterium

Total score 18.5 a * 17.4 a 17.6 a

Composition 11.0 a 9.8 a 10.6 a
Function 7.5 a 7.6 a 7.0 a
Stability 8.2 b 8.2 b 9.3 a

* Means within each row followed by the same letter are not significantly different (p > 0.05).

The landscape composition index in the burned sites was significantly lower in the
low formations of C. creticus in the abandoned terraces compared to the other vegetation
types. At the same time, in the unburned area, no significant differences were detected
among vegetation types. Burning reduced the landscape composition index only in the low
formations of S. spinosum (Figure 8a).
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(a)

(b)

Figure 8. (a) Effects of location and year on landscape composition index. Columns followed by the
same letter are not significantly different (p > 0.05). (b) Effects of location and year on landscape
stability index. Columns followed by the same letter are not significantly different (p > 0.05).

The landscape composition index in the burned area was significantly higher in the low
formations of S. spinosum compared to the other vegetation types, while in the unburned
area, no significant differences were found. The landscape composition index was not
affected by burning in the low formations of S. spinosum, but it decreased in the other
vegetation types (Figure 8b).

4. Discussion

It is well substantiated that wildfires are a common phenomenon in the Mediterranean
rangeland ecosystems, and they alter the structure and dynamics of plant communities [41,42].
Many plant species have adapted to fire using two basic mechanisms: (a) by resprouting
from alive plants after the fire and (b) by recruiting from seeds [43,44]. As a result, the
vegetation in these ecosystems has the ability to recover a few years after the fire [45].

According to the results of the present study, there were no differences in plant cover
among the vegetation types of the unburned sites. On the other hand, fire reduced plant
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cover in all the vegetation types, though in different degrees. Plant cover in the burned
formations of S. spinosum was higher than those recorded in the C. creticus formations
and the terraces with C. creticus. According to Kazanis and Arianoutsou [46], plant cover
post-fire is affected by the woody species cover. Both woody species are post-fire pioneer
plants [47,48]. Cistus species are force seeders [49,50]. C. ladanifer has been reported as
a species that dominates in burnt areas [49]. It can recover faster even than resprouted
species [51], besides the fact that vegetative resprouting has advantages over seed germina-
tion in burned environments [52]. S. spinosum can recover by both resprouting and seed
germination [53]. The aggressive regrowth and competitive ability of this species resulted
in a higher degree of plant cover in the formations of S. spinosum.

The floristic composition was differentiated in the burned sites in relation to the
adjacent unburned ones but to a different degree across the three vegetation types. The
pre-fire floristic composition was dominated by woody species (around 70%), followed by
grasses, forbs, and legumes in all vegetation types. In the post-fire floristic composition, the
abundance of woody species decreased, while the abundance of grasses, forbs, and legumes
increased in the low formations of C. creticus and S. spinosum. Inversely, in the terraces of
Cistus creticus, there were no differences in the abundance of woody species, grasses, and
forbs between burned and unburned sites. This resulted in the highest differentiation in
terms of the Jaccard similarity index being recorded between burned and unburned sites of
C. creticus formation and the lowest in the terraces of C. creticus.

Fire generally contributes to the decline of woody species [54,55] in rangelands. In
many cases, prescribed burning is used as a management tool to limit shrub encroachment
in grasslands. The reduction of woody species leads to a limitation of competition, which
favors the establishment of other functional groups [56,57]. The recovery of woody species
after the fire depends on their regeneration capacity [58]. As mentioned above, the regenera-
tion capacity of both species (C. creticus and S. spinosum) is high and has contributed to their
quick recovery. Notably, the percentage of S. spinosum in the composition of the vegetation
reached about 50% just one year after the fire. In this respect, Papanastasis [59] reported the
full recovery of S. spinosum three years after a fire. Furthermore, it should be noted that the
faster recovery of Cistus creticus in the terraces compared to the other sites. The abundance
of Cistus creticus in terraces was similar before and after the fire. This can be attributed to
the specific micro-environment of terraces (soil, light, temperature) that probably favors
the germination of the seeds and the establishment of seedlings [60]. Terraces are common
in hilly areas and have been built in order to conserve soil and water as well as to increase
the arable fields [61]. Finally, the percentage of legumes increased in post-fire vegetation
in all the vegetation types. Actually, the percentage of legumes in burned sites was three
times more compared to the unburned ones. Probably, fire contributes to the cracking of
their hard-coated seeds and accelerates their germination [54,62].

The floristic diversity was higher in the burned sites compared to the unburned
ones. There are many reports about the positive effect of fire on floristic diversity in
rangelands [63–65]. In particular, for fire-prone ecosystems such as the phryganic, fire
has been proposed as a major driver of their diversity [66]. This positive effect mainly
contributed to the decrease of the competitive woody species and the increase of the other
functional groups.

The CP content did not significantly differ between burned and unburned areas. This
finding was unexpected as forage in burned areas has higher crude protein than forage
in unburned ones [67]. The absence of a response can be an indication that livestock
did not graze in these areas in time to benefit from the initial greening up in the burned
locations [68]. Another potential explanation is that the effect of time (after one year)
evened out the difference in CP content. According to Thapa [69], in research carried out in
grasslands in Nepal, there was no difference in the CP content of the post-fire regrowth
forage after four months. Although there was a decrease in fiber content, ADL probably
increased due to an increase in legumes in the burned areas. This is due to the possible
higher content of condensed tannins, which interfere with ADL [70].
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On the other hand, the vegetation type (across fire) had different CP content for the
Cistus vegetation types. These variations may have developed because of their different
growing environment. Temel and Tan [71] reported similar results for the CP content
of C. creticus, although they have estimated lower NDF and ADF content for the same
species in comparison to this study. According to Gokkus [72], S. spinosum had lower CP
content (5.37%) in spring compared to our result but almost double ADL content (15.98%).
Generally, the two dominant species, C. creticus and S. spinosum, are not as preferable with
low nutritive value. However, both have been affected by wildfire, which had a positive
effect on the nutritive value in terms of fiber and CP content in the C. creticus vegetation
type but had an adverse effect on the S. spinosum vegetation type [73].

The landscape function and stability were negatively affected by burning. The in-
creased soil erosion and the reduced plant cover recorded in the burned rangeland sites
constitute the main reason for the reduced stability index, mainly in the C. creticus forma-
tions and the terraces with C. creticus. Increased risk for soil erosion in burned similar
vegetation types has been reported [74]. Although legumes’ percentage increased in the
burned sites, the reduced herbage production and the increased soil erosion reduced the
function index. In contrast, burning benefited the composition index, especially in the
formations of S. spinosum, because of the lower woody species cover and the increased
floristic diversity. It has to be noted that formations of S. spinosum were favored by burning
more than the other vegetation types as the composition index was increased, while the
stability index did not affect one year after the fire.

Sarcopoterium spinosum is an unpalatable species [75] and is not consumed by livestock
except early in spring, while Cistus creticus is browsed by goats mainly in autumn [76].
Therefore, prescribed burning has been used to combat dense Sarcopoterium spinosum
communities and improve rangeland vegetation [45]. The results of the present study
confirm that burning can improve the landscape in this vegetation type, as well as the idea
that these ecosystems can remain stable when not dense [16].

5. Conclusions

Fire generally had a positive impact on the services provided by these fire-prone
ecosystems of Cistus creticus and Sarcopoterium spinosum. The floristic diversity and species
evenness were enhanced, while dominance was reduced after the fire. The exception
was the abandoned terraces, in which an aggressive presence of the Cistus creticus was
recorded. The forage quality and the landscape function slightly improved in the burned
sites, which was more evident in the formations of Sarcopoterium spinosum compared to
the other vegetation types. The present research confirms the general assumption that a
high density of dominant scrubs affects the stability of these ecosystems. In this regard,
the goal of management should be to maintain the post-fire status of dominant shrub
abundance. Grazing mainly with goats can contribute in this direction. At the same time,
the management should take measures to improve the vegetation in the terraces. Otherwise,
the thickening of the scrubs combined with the observed variability of climatic conditions
(precipitation, temperature) may increase the frequency of fires. This increase can alter the
response of these ecosystems to fire and affect their structure and function as well as the
services they provide.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/land12071413/s1, Table S1: The recorded taxa in the unburned
and burned sites.
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