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Editorial for the Special Issue “Nanomaterials
Ecotoxicity Evaluation”
Xiaoshan Zhu 1,* and Jian Zhao 2

1 College of Ecology and Environment, Hainan University, Haikou 570208, China
2 College of Environmental Science and Engineering, Ocean University of China, Qingdao 266100, China;
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Nanotechnology has made enormous progress over the last few decades, and the
current use of nanomaterials is rapidly increasing. As a result, the continuous release of
engineered nanomaterials (ENPs) into air, water, and soil has raised concerns about the
possible adverse consequences for environmental and human health.

In this Special Issue, we aim to present a multidisciplinary overview of recent scientific
articles that delve into various aspects of nanomaterials’ ecotoxicity evaluation associated
with their occurrences, behavior, fate, and bioavailability. Such an evaluation is critical for
scientists, legislators, business leaders, and the public to understand and develop effective
solutions to the potential impacts of nanomaterials. Two reviews are also noteworthy. To
address the risks of nanomaterials in the aquatic environment, Yuan et al. reviewed the
environmental impact of nanomaterials with inorganic sunscreens [1]. For the risks of
nanomaterials in the soil environment, Suazo-Hernández et al. reviewed the impact of
ENPs on the physical and chemical properties of soils [2].

The toxicity of nanomaterials remains a significant issue. Lu et al. studied how low
concentrations of silver nanoparticles induced novel toxic effects on aquatic ferns [3].
Environmental factors can also affect the environmental behavior of nanomaterials and
change their toxic effects, for example, humic acid affects the adsorption and suspension
behavior of carbon nanotubes [4].

The co-effect of nanomaterials and heavy metal pollutants remains a concern. On the
one hand, the combined effect of nanomaterials and heavy metals leads to higher ecological
risks. Zhou et al. studied CuO and Fe3O4 nanomaterials to enhance the bioaccumulation
and toxicity of arsenic in marine mussels [5]. Similarly, Wang et al. found that CuO NPs
promoted the phytotoxicity and accumulation of cadmium in vegetables [6]. On the other
hand, the application of nanomaterials will reduce the accumulation of heavy metals in
crops. Nano-Fe may modify the microbial community and decrease the soil-available
Cd and As contents, inhibit the absorption of Cd and As by the roots, and decrease the
transport of Cd and As in rice grains and the risk of intake in humans [7].

The effects of nanoplastics on organisms have attracted much attention. Wang et al.
identified multiple mechanisms of toxicity on microalgae induced by nanoplastics [8]. The
synergistic impact of microplastics and organic pollutants remains poorly understood in
the marine environment. Zhou et al. implied that MPs in synergy with organic pollutants
can be more harmful to marine organisms [9].

Nanopesticides are increasingly considered an emerging alternative due to their
higher efficiency and lower environmental impacts. Although the public is not familiar
with nanopesticides, they have positive attitudes toward their future development and
support labeling nanoscale ingredients on products [10]. Ganilho et al. also assessed the
environmental risks of lipid nanoparticles loaded with lambda-cyhalothrin [11].

To conclude, this Special Issue presents several examples of the latest advancements
in assessing nanomaterials’ ecotoxicity. We hope readers will enjoy reading these articles
and find them useful in their research.
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Abstract: In recent years, the release of metal and metallic oxide engineered nanoparticles (ENPs)
into the environment has generated an increase in their accumulation in agricultural soils, which is
a serious risk to the ecosystem and soil health. Here, we show the impact of ENPs on the physical
and chemical properties of soils. A literature search was performed in the Scopus database using the
keywords ENPs, plus soil physical properties or soil chemical properties, and elements availability. In
general, we found that the presence of metal and metallic oxide ENPs in soils can increase hydraulic
conductivity and soil porosity and reduce the distance between soil particles, as well as causing a
variation in pH, cation exchange capacity (CEC), electrical conductivity (EC), redox potential (Eh),
and soil organic matter (SOM) content. Furthermore, ENPs or the metal cations released from them
in soils can interact with nutrients like phosphorus (P) forming complexes or precipitates, decreasing
their bioavailability in the soil solution. The results depend on the soil properties and the doses,
exposure duration, concentrations, and type of ENPs. Therefore, we suggest that particular attention
should be paid to every kind of metal and metallic oxide ENPs deposited into the soil.

Keywords: nanoparticles; soil properties; environment; emerging pollutants

1. Introduction

Engineered nanoparticles (ENPs) are materials intentionally produced with a particle
size between 1 and 100 nm in at least one dimension, which are present in the form of a
nanowire, spherical, nanotubes, and nanorods [1]. ENPs are divided into five classes; based
on carbon, zero valence metal, metallic oxide, quantum points, and dendrimers [2]. These
nanoparticles possess i) novel physicochemical characteristics such as a high surface area
for reactions and interactions, and ii) exceptional optical, magnetic, and electrical properties
compared to their bulk counterparts [3–5]. As a consequence of those advantages, in the
last decade, the production and subsequent incorporation of ENPs in products such as
cosmetics, clothes, pigments, industrial coatings, plastic additives, semiconductors, textiles,
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and antibacterial agents have increased considerably [6,7]. Currently, there are more than
1800 products containing ENPs in the market [8], and worldwide production of ENPs is
expected to reach $125 billion by 2024 [9]. Therefore, nanotechnology is a science that
has had and will continue to have great importance in improving the quality of life for
humans [10]. However, this also means that the type and volume of ENPs released into the
environment will increase [11].

Among the different ENPs that exist in the market, metal (e.g., Au, Al, Ag, Fe, and
Cu) and metallic oxide (e.g., TiO2, ZnO, Al2O3, Fe3O4, Fe2O3, NiO, CuO, Cu2O, and CeO2)
ENPs are those with the greatest probability of being deposited in soils and in particular for
agricultural use [12–14]. This is because they have antimicrobial properties, or the elements
released from ENPs are nutrients for plants. Consequently, they can be incorporated
and/or used as pesticides, insecticides, herbicides, fungicides, and fertilizers [15–18].
Various studies have shown that applying metal and metallic oxide ENPs are a promising
alternative to treat infections in plants and increase plant development without impairing
productivity by reducing the number of agrochemicals added to the soil. In this sense, it is
estimated that the concentration of metal and metallic oxide ENPs deposited in agricultural
soils could increase from 30 pg kg−1 in 2017 to 10 g kg−1 in 2050 [19]. Therefore, monitoring
their presence in this non-renewable natural system is essential.

Once the metal and metallic oxide ENPs are in contact with the soil system, they can
leach into groundwater or suffer biological, chemical, and photochemical transformations
(e.g., homo/heteroaggregation, oxidation, dissolution, and precipitation) [20–22]. As a
result, ENPs can cause changes in the biological (e.g., mesofauna, macrofauna, and micro-
biota), physical (e.g., hydraulic conductivity, porosity, texture, bulk density, aggregation),
and chemical (e.g., cation exchange capacity (CEC), electricity conductivity (EC), redox
potential (Eh), pH, dissolved organic matter (DOM), and organic matter (OM) content)
properties of the soil [16,20,23–25]. In fact, due to their small particle size, ENPs can
interact with plant nutrients, like phosphorus (P), affecting their availability in the soil
solution [26–28].

Various reviews have been published about the transport, fate, and transformations
of ENPs in soils and their effect on the abundance and diversity of microorganisms and
on plant growth to date [21,29–31]. By contrast, there are only a few reviews about the
effect of different metal and metallic oxide ENPs on the soil abiotic properties. One of the
most recent reviews was published by Sun et al. [13], who concluded that an increase in
the concentration of ENPs in soils might affect soil biochemical properties.

Therefore, there is a need to link the information about the effect of metal and metallic
oxide ENPs on soil systems through a review. This review aimed to present the effects
that different types of metal and metallic oxide ENPs cause on the physical and chemical
properties of the soil. This review will help to understand the impact of ENPs on health
and the balance in the soil system.

2. Soil Health and Quality

The physical and chemical properties of soil significantly influence soil health and
quality. Therefore, the possibility that those factors decrease in the face of the effect of the
millions of tons of ENPs accumulated annually is very high [19]. It is known that ENPs can
suffer different processes and transformations in the soil system. In contrast, the impact on
abiotic properties of soil and biogeochemical cycles has gone practically unnoticed due to
the limited and scattered evidence [20]. However, more recently, studies have increased,
revealing that physical and chemical properties are affected by the deposition of ENPs [13].
A list of studies investigating the impacts of ENPs on various abiotic soil properties is
provided in Table 1 and a summary is provided in Figure 1.
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Table 1. Effect of metal and metallic oxide engineered nanoparticles (ENPs) on some soil physical
and chemical properties.

ENPs
Type Concentration Type or Place of Soil Duration Remarks Reference

Physical properties

Pt 0.1–1000 µg g−1 Clay-free organic
sapric histosol 5 weeks

Increase structural rigidity of
SOM and aliphatic crystallites
content; decrease in the
enthalpy of evaporation of
water in the SOM

[24]

γ-Al2O3 and CuO 0.05–0.3% γ-Al2O3,
0.15–0.7% CuO Selangor, Malaysia 10 days

Reduction of the swelling
stress and the shrinkage
stress of the soil; decrease in
hydraulic conductivity and
density

[32]

Fe3O4 and MgO 1, 3, 5% (w/w) Agricultural land in
Hamedan, Iran 100 days

The bulk density of the soil
increases with the dose of
Fe3O4 ENPs but decreases
with MgO ENPs

[33]

SiO2 and Zn 50 mg L−1 of Zn or
2.5 mg L−1 of SiO2

El-Serw Agricultural
Research Station 7 weeks

Increase in the hydraulic
conductivity of the soil;
decrease in bulk density

[34]

Fe 1, 4, 7, 10 g L−1 Oxisol -

Concentrations <4 g L−1 do
not affect the natural
hydraulic conductivity of the
soil. However, higher
concentrations reduced the
hydraulic conductivity value

[35]

Ag coated with
polyvinylpyrrolidone

(PVP) and citrate
2.5, 5.0, 10 mg L−1 Red Soil -

The surface coatings of Ag
ENPs block the solid phase
sites promoting the transport
of the ENPs

[36]

Chemical Properties

Ag 20, 25, 50 and
100 mg kg−1

Alluvial soil of
Tezpur, India 60 days Increase in the CEC, pH soil,

and N and P bioavailability [10]

CuO and Fe3O4 1 or 5% (w/w)
Red Sandy clay loam
Mediterranean soil
and Rendzina soil

24 h

Fe3O4 ENPs catalyze the
oxidation of organic
pollutants in aqueous
suspensions, inducing
changes in SOM

[23]

TiO2, ZnO and CuO 50, 100 and
500 mg kg−1 Paddy soils 90 days Increase of soil pH, Eh, and

EC in flooding-drying process [28]

Fe 0.1, 1, 10 mg g−1

Hangzhou, Taizhou,
Haikou, Kunming,
Honghe, Chifeng,
Puer, and Yingtan

90 days

ENPs promote aromatic
carbon sequestration and
decrease the Eh of the soil.
The impact of ENPs on soil
pH, EC, ζ potential, dissolved
organic carbon (DOC), and
enzyme activity is dependent
on the soil type and soil
moisture content

[37]

Fe 10 mg g−1 Silt loam soil 14 days Decrease in Eh and increase
in soil pH [38]

Fe 28–36 mg g−1 Acidic and calcareous 30 days

Modification of pH values
depending on the buffering
capacity of the soil; increased
EC and water retention
capacity of soils

[39]

Fe 1, 5, and 10% (w/w) From El Terronal and
Asturias. 72 h No effect on soil pH and EC [40]
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Table 1. Cont.

ENPs
Type Concentration Type or Place of Soil Duration Remarks Reference

TiO2 1 and 500 mg kg−1 Sandy-loam, loam
and silty-clay 90 days

Low doses of ENPs decrease
the mineralization of C in a
clay-silty soil

[41]

Fe3O4
1000 and

2000 mg L−1 Loamy 30 days Increase the CEC and total P
content and P extractable [42]

Fe 0.10–2.0 g L−1 - 48 h

The residual DOM has a
higher reduction capacity, %
mineralization and
photodegradation after the
adsorption of ENPs

[43]

CuO 50,100, 500 and
1000 mg kg−1 Hangzhou 88 days

High concentrations of ENPs
decrease the Eh but improve
EC; increased soil pH;
increased phyto-availability
of Cu in the soil

[44]

TiO2 50 and 100 mg kg−1 Seoul 40 days
Increase in EC and decrease
in pH of the rhizosphere;
improves P dissolution

[45]

CuO 10, 100, and
1000 mg kg−1 Paddy soils 90 days

Increased degradation and
mineralization of OM;
increased in soil pH

[46]

CeO2 and TiO2 500 mg kg−1 Southern Australian
soils 260 days

Both ENPs alter the
mineralization of organic N
and/or the nitrification rates
of the soil due to the catalytic
and/or antimicrobial
properties of the ENPs;
increase in the
phyto-availability of P and Zn
in soils

[47]

ZnO 2.5 mg kg−1 Inceptisol 60 days Decrease in soil pH and SOC;
increased EC and P available [48]

SiO2 4.5 mg L−1 Wuhan, Chongqing,
and Qianjiang 24 h

Decreased mobility of
pesticides in soils, although
this effect varies with the
composition of the soil

[49]

ZnO 100 and
1000 mg kg−1

Agronomy farm of
Faisalabad 64 days Increase in soil pH and C

mineralization [50]

Fe, Fe3O4, and Fe2O3 2 to 6 g kg−1 Udic Ferrosols and
Anthrosol 60 days

Fe ENPs increase in DOC and
available NH4

+-N but
decrease available
phosphorus (AP), while
Fe3O4 and Fe2O3 ENPs
slightly reduce soil pH and
decrease available NH4

+-N
and AP

[51]

CuO 10 and 100 mg kg−1 Sandy soil 31 days Increase soil pH [52]

ZnO 1.0 and 20.0 mg Agricultural-clay soil
and peaty soil 4 weeks Decrease in the content of Al,

Ca, Cu and Mg in the soil [53]

6
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3. Effect of ENPs on Soil Properties
3.1. Physical Properties

The physical and mechanical soil properties, including structure, bulk density, porosity,
permeability, texture, temperature, moisture, and others, are relevant because they are cor-
related with the productivity of different plants and root growth [33]. Studies on physical
properties have shown that ENPs such as Fe3O4, ZnO, MgO, SiO2, and TiO2 [33,34,54] can
increase hydraulic conductivity and soil porosity and reduce the distance between soil
particles (Table 1). As a consequence of this, ENPs aid in forming a more rigid matrix,
favoring the increase in agricultural productivity and producing a safer environment and
a healthier life. Concerning this, Bayat et al. [33] investigated the effects of the applica-
tion of Fe3O4 and MgO ENPs (three doses of 1, 3, and 5% w/w) on total porosity, mean
weight diameter aggregate, volumetric water content, penetration resistance, and saturated
hydraulic conductivity during incubation periods of 40 and 100 days. They concluded
that only MgO ENPs improved the soil’s physical and mechanical properties due to their
excellent adhesiveness, specific surface, activity, and reaction capacity.

Similarly, Bayat et al. [55] added MgO and Fe3O4 ENPs (<100 nm) into calcareous
loamy soil after being subjected to various stresses. They found that MgO ENPs caused
a decrease in soil bulk density compared to the effect produced by Fe3O4 ENPs. The
reduction in density provides better aeration and penetration of roots in the soil. The
difference was related to the smaller particle size of MgO ENPs (however, the specific size
for both ENPs was not shown) compared to Fe3O4 ENPs. It was also found that MgO NPs
improved soil structure, increased porosity, and reduced bulk density, whereas Fe3O4 ENPs
only increased the tensile strength of the aggregates by strengthening the bonds between
Fe and soil particles [55]. In addition, the physical properties of soil can be affected by
the concentrations and particle sizes of ENPs. Komendová et al. [24] observed an increase
in the strength of the water molecule bridges and the structural rigidity of the soil after
using Pt ENPs of 3 nm in concentrations of 0.1, 1, and 10 µg by 300 mg−1 soil. However, at
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concentrations between 100 and 1000 µg by 300 mg−1 soil, they decreased the water content
retained SOM. In the same way, Fe ENPs, with a smaller particle size than the pores of clay
soil, managed to leach through it, but over time the soil pores could become clogged and
consequently reduce the hydraulic conductivity due to the formation of aggregates [35].

3.2. Chemical Properties
3.2.1. Cation Exchange Capacity

The CEC of soil depends on the surface charge and surface area. In agricultural soils,
CEC is a relevant parameter because it is an indicator of the ability of the soil to adsorb
nutrients, in other words, of its fertilization [10,23]. A few studies have shown information
on CEC in the presence of ENPs. De Souza et al. [42] showed that adding 2000 mg L−1 of
Fe3O4 ENPs into a clay-textured soil caused an increase a 17% in the CEC (49.2 meq 100 g−1)
compared to the control soil (42.2 meq 100 g−1). Meanwhile, Baragaño et al. [56] treated
technosol soil with Fe ENPs in a 97.5:2.5 soil–ENPs ratio and obtained null variations in the
CEC values.

Several researchers have stabilized metal and metallic oxide ENPs with organic
molecules or immobilized and blended them with substrates. In this regard, the type
of material used is highly relevant to changes shown by CEC values. Das et al. [10] syn-
thesized Ag ENPs through green synthesis using an extract plant leaf (Thuja occidentalis)
(GSENPs) and conventionally synthesized silver engineered nanoparticles (CSENPs). Both
MPs were added in doses of 20, 25, 50, and 100 mg kg−1 to an alluvial soil, causing an
increase in CEC between 1.01 and 3.35 times for CSENPs and between 1.27 and 3.47 times
for GSENPs compared to control soil. This was because both ENPs caused an increase in
soil porosity between 1.12 and 1.26 times for CSENPs and between 1.07 and 1.31 times for
GSENPs, generating an improvement in the rate of stabilization of OM in soil. In addition,
Ag GSENPs generated a change in the soil ionization, increasing the reactive surface and
the net negative charge. Likewise, an increase in CEC has been reported between 9.4% and
64.1% for plowed soil with a dose range between 0.05–1.60%, w/w of Fe3O4 ENPs-biochar
compared to soil without ENPs [57].

Similarly, adding a blend of Fe ENPs-compost-biochar composite to the soil from
northern Spain after 15 and 75 days increased the CEC between 7 and 6.8 times, respectively,
compared to the control soil [58]. As a control treatment, the authors added a sand-Fe ENPs
mixture to the soil, and the CEC values obtained were similar to the control soil. Thus,
they concluded that changes in the CEC were not associated with ENPs but were caused
by biochar.

3.2.2. Soil pH

Soil pH is a factor that is directly related to soil fertility and health [59]. The pH values
obtained in soils with ENPs are diverse. Studies carried out on different soils with ENPs of
Ag [10], phytogenic iron oxide [60], ZnO [61], CuO [52], Fe3O4 [62], and ZnO and CuO [28]
have shown a slight increase in pH values (Table 1). Gao et al. [52] used 10 mg kg−1 of CuO
ENPs in sandy soil and determined that the pH ranged from 4.9 to 5, which is similar to
the pH value of the control soil. Meanwhile, with 40 mg kg−1 CuO ENPs the pH increased
from 5.1 to 5.4. This increase was less than expected, suggesting that the soil buffer capacity
limited the increase in soil pH. The mechanism involved in the slight increase pH was the
hydrolysis of CuO ENPs (it can also be used for ZnO ENPs) caused by the water contained
in the soil pores and represented by Equations (1) and (2).

CuO(S) + H2O(I) ↔ Cu(OH)2(S) (1)

Cu(OH)2(S) + 2H+
(aq) ↔ Cu2+ + 2H2O(I) (2)

Fe ENPs have been widely used in studies of nanoremediation [63,64]. Therefore,
a high amount of those ENPs can be deposited into natural soil systems. In this con-
text, adding 10 mg g−1 Fe ENPs to soils from Hangzhou increased the pH between
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0.10–0.40 units [37]. These results were attributed to the oxidation process of Fe ENPs
in the environment, represented by Equations (3) and (4) [65,66].

Fe0
(s) + 4H+

(ac) + O2(aq) → 2Fe2+
(aq) + 2H2O (3)

Fe0
(s) + 2H2O → 2Fe2+

(aq) + H2(g) + 2OH−
(aq) (4)

Subsequently, the Fe2+ released can be oxidized according to Equations (5) and (6) [67].

2Fe2+
(aq) + 2H+

(ac) + 1/2O(2)(aq) → 2Fe3+
(aq) + H2O(l) (5)

2Fe2+
(aq) + 2H2O(l) → 2Fe3+

(aq) + H2(g) + 2OH−
(aq) (6)

On the other hand, there are studies where the changes in soil pH have been due to an
indirect action of ENPs. In the study carried out by Zhang et al. [68], 100 mg kg−1 of Ag
ENPs were added to soils in the absence or presence of cucumber (Cucumis sativa) plants.
After 60 days, it was determined that the pH increased from 5.28 to 5.33 and from 5.18
to 5.26 for soil with and without the plant, respectively, which was associated with the
alteration of metabolites in the soil by exposure to Ag ENPs.

Some studies have reported a slight decrease in soil pH values after the incorporation
of ENPs. Duncan and Owens [47] found that after adding 500 mg kg−1 of CeO and TiO2
ENPs to Australian soils, the pH values decreased between 0.1 and 0.3. On the other hand,
Zahra et al. [45] showed that adding 50 and 100 mg kg−1 of TiO2 ENPs to soil decreased
the rhizosphere pH from 7.3 to 7.1. These authors did not provide information on the
mechanism involved in the pH decrease because it was not the objective of their study.
In the presence of 2, 4, and 6 g kg−1 of Fe, Fe2O3, and Fe3O4 ENPs in red soil, the pH
decreased between 0.4 and 0.8 units on day 7 and in the Wushan soil between 0.60 and
1.10 units on the day 2 compared to the control soils. The acidification of both soils was
related to the hydrolysis of Fe3+ ions [51].

The variation in soil pH by the presence of ENPs depends on matrix properties and
the type of ENPs. After adding Fe ENPs to acidic soil, Mar Gil-Díaz et al. [39] found that
the pH increased from ≈5.30 to 7.60, while for calcareous soil, the pH value was nearly 8.0
with and without ENPs. In the calcareous soil, pH values showed no variation, which was
explained by the high carbonate content, and their capacity to buffer soil pH variations
(CaCO3 = 5.6% for calcareous soil and 0.15% for acid soil) [39]. After the incorporation of
CuO ENPs at 10, 100, and 1000 mg kg−1 into two soils from Huizhou, Shi et al. [46] found
that ENPs caused a significant pH increase in soil with less OM content. In addition, Cu2+

ions released from ENPs into the solution progressed towards the formation of more stable
species such as Cu2S and Cu(OH)2, which also increased the soil pH.

3.2.3. Redox Potential

The soil Eh represents the oxidation-reduction reactions and depends on the oxygen
(O2) concentration, precipitation, temperature, and OM content [28]. Eh in agronomy is an
essential parameter due to influences in the functioning of the soil–plant–microorganism
system and the solubility of nutrients and contaminants. Studies of Eh soils without and
with ENPs have received scant attention due to the interdependence between pH and Eh
and the difficulty of reproducing, comparing, and interpreting the results obtained [69].
In soils, most metal ENPs tend to oxidize. In other words, they lose electrons, which
are captured by substances from the external environment and, as a result, change the
Eh values. Fe ENPs, due to their reduction potential (E0, −0.41 V), are easily oxidized
by O2 of the environment, forming Fe2+/Fe3+ species [70]. Those cations can form a
superficial shell-core in ENPs formed by different iron oxides [71]. As a consequence of
the redox process, Fe ENPs has been widely used to degrade organic pollutants such as
chlorinated methane, benzenes, organochlorine pesticides, chlorinated phenols, and to
reduce inorganic pollutants such as AsV, SeVI, CrVI, Pb2+, Hg2+, and Zn2+ [70]. Vítková
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et al. [72] investigated the effect of Fe ENPs application on Zn and As availability in the
rhizosphere of contaminated soils and found that Eh for the control soil ranged between
310–410 mV. After incubating the soil with As (15.9 g kg−1), and Fe ENPs at 1 wt%, the
Eh increased after a week, but after 5 weeks, it decreased. By contrast, when they added
Zn (4.1 g kg−1) and Fe ENPs at 1 wt%, there was an increase in Eh from 400–460 mV. The
difference was associated with the presence of redox-active elements such as As, Fe, Mn,
O2, and NO3

−, and their rapid reaction with Fe ENPs. The authors concluded that the
variation in Eh values was highly dependent on doses of ENPs and incubation time, which
was associated with the amount of reactive mass of ENPs.

In the case of metallic oxide ENPs, although elements are oxidized, they can influence
the modification of the soil Eh. For instance, mixed-valence of Fe3O4 ENPs, uncoated and
with dimercaptosuccinic acid (DMSA) coating, were added in natural wetland organic-rich
soil. The Eh values obtained with ENPs were between 350 and 440 mV, while for the
control soil they fluctuated between 417 and 457 mV [62]. Environmental conditions, such
as aerobic and anaerobic systems as well as flooding conditions, are determining factors in
the variations of Eh values. Studies on rice growth have related the variations in Eh values
with the changes and transformations of ENPs [44,73]. Peng et al. [44] determined that
1000 mg kg−1 of CuO ENPs during the maturation stage of the rice caused an Eh decrease
of 202.75 mV compared to the control system. The reason was that ENPs have catalytic
properties; therefore, they can accelerate the generation of organic reducing substances.
On the other hand, Peng et al. [61] reported that the addition of treatments of 50, 100,
and 500 mg kg−1 ZnO, CuO and CeO2 ENPs, increased the Eh values from −222,67 mV
(control soil) to −130 mV–−75 mV for all treatments. In particular, Eh values proved to
be highly influenced by doses of ENPs. In addition, they evaluated flood conditions for
30 days, where the Eh value decreased due to the presence of ENPs. This behavior was
occasioned by the depletion of O2 in the soil due to microbial respiration and by producing
organic reducing substances through OM decomposition [61]. Conversely, Zhang et al. [28]
determined that CuO and ZnO ENPs in flooding conditions in a paddy soil increased Eh
values by about 20~30 mV, which was explained because, in flooding conditions, ENPs can
consume the reducing substance (H+) [28].

Other factors that influence soil Eh values are related to the presence of stabilizing
agents such as proteins, humic acid, and chloride [74], and toxic effects of ENPs on soil
microorganisms, which have been analyzed in various reviews [9,20,75,76]. In the case of
Ag ENPs, which have antimicrobial properties, it has been reported that the variations of
Eh values have been a consequence of the decrease in soil microbiology [28].

3.2.4. Electrical Conductivity

Soil electrical conductivity (EC) is a measure of total soluble salts. Various studies
using different soils have reported that ENPs such as ZnO, CuO, and CeO2 [44], CuO,
TiO2, ZnO [61], CuO [28], and TiO2 [45] have increased the EC values. In particular,
Zahra et al. [45] found that with 50 and 100 mg kg−1 of TiO2 ENPs, the EC values of the
rhizosphere increased from ≈0.36 µS cm−1 to 0.60 µS cm−1 and 0.52 µS cm−1, respectively.
The explanation was associated with the dissolution process of ENPs, which caused an
increase in the number of cations in the solution. In the experiment carried out by García-
Gómez et al. [77], the biological effect of ZnO ENPs on earthworms in agricultural soils
was evaluated. They found at day 0 that the EC values were 284 µS cm−1 and 216 µS cm−1

for the soil control and system ZnO ENPs + soil, respectively, while after 35 days, the
EC value for the control soil was 314 µS cm−1, and for the system ZnO ENPs + soil was
283 µS cm−1. The increase in the EC values obtained with the exposure time was related
to the solubilization of ENPs. There are also studies where a decrease has been reported
in EC values of soil due to the presence of ENPs. For example, in a study conducted by
García-Gómez et al. [78] in soils located near Madrid, the EC decreased by ZnO ENPs,
which was associated with the capacity of ENPs and/or the cations released from ENPs
to combine with cations or anions contained in the soil. Similarly, after applying ZnO
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and SiO2 ENPs (2% and 6%, respectively) in saline soils, Kheir et al. [34] reported a slight
decrease in EC values compared to the control soil. However, in this case, the reasons
involved in the EC values obtained were not explained.

There are studies where the addition of Ag ENPs has generated null effects on EC
values, which has been mainly related to the low doses of ENPs [79,80]. Ag ENPs, in
particular, are highly stable, so during laboratory experiments, it is unlikely they undergo
oxidation processes and release cations into the soil solution [81]. Fabrega et al. [82] found
that in a concentration range between 2–2000 µg L−1 of Ag ENPs, less than 2% of ENPs
were solubilized. Likewise, the stability of ENPs was increased when stabilizers such as
PVP [81] or citrate [83] were used.

3.2.5. Soil and Dissolved Organic Matter

The most productive agricultural soils contain a high percentage of OM. Several
studies have evaluated the effect of OM (SOM and DOM) on the toxicity, transformations,
and mobility of ENPs [25,84–86]. It is known that DOM can be adsorbed on the surface of
ENPs, improving their stability and preventing the release of ions from them [87,88], which
reduces the toxicity of ENPs [89]. This is due to the mechanism that exists between ENPs
being electrostatic and/or steric repulsion, which decreases the aggregation rate and the
residence time of ENPs in the soils, thereby increasing the possibility of moving towards
other natural systems such as groundwater and rivers [90].

On the other hand, the effects caused by ENPs on DOM are diverse. For example,
in a study conducted by Lin et al. [60] in soils taken near a mine in Hunan, which was
treated with 9% phytogenic iron oxide nanoparticle (PION), it was found that the DOC
increased between 1.54 and 2.81 times compared to the system without ENPs. These
results were related to the nature of PION because Excoecaria cochinchinensis, which was
used as a reducing agent for ENPs, contains a large number of organic biomolecules.
These molecules can be easily decomposed/degraded by soil microorganisms [60]. On
the other hand, Zahra et al. [45], after investigating the effect of concentrations of 50 mg
kg−1 and 100 mg kg−1 of TiO2 ENPs in soils from China, found a dual behavior since
50 mg kg−1 of TiO2 ENPs reduced the DOC by 11.6%, but with 100 mg kg−1 of TiO2 ENPs
the DOC increased by 25.5%. Specifically, the increase in DOC was explained by two
reasons: (i) root–microbe interactions can stimulate roots to secrete a greater amount of
exudate, and (ii) roots with a high quantity of ENPs can cause stress to the plant, inducing
the release of low molecular weight substances (LMWS) such as oxalate, acetate, and
malate [45,91].

In the soil, microorganisms are responsible for regulating OM decomposition and
nutrient mineralization. However, ENPs due to catalytic and/or antimicrobial properties
or as a consequence of the decrease in soil pH can decrease SOM content [47,92]. Some
metal and metallic oxide ENPs that have shown those properties are Ag, Fe, TiO2, ZnO,
and CuO [46,93]. Rashid et al. [93] investigated the effect of 1000 mg kg−1 of ZnO ENPs
on carbon and nitrogen mineralization of Phoenix dactylifera leaf litter in sandy soil. They
found that ENPs reduced carbon (130%) and nitrogen (122%) mineralization efficiency
from date palm leaf litter in sandy soil. The reason was due to the soil with ENPs having
a lower microbial biomass carbon and the number of colonies of heterotrophic cultivable
fungi and bacteria. By contrast, Shi et al. [46], after flooding a paddy soil for 60 days with
a concentration of 1000 mg kg−1 of CuO ENPs, found that the mineralization of OM was
accelerated, as well as increasing the Fe reduction process by increasing the Fe2+ content by
293%. These results were associated with the catalyst properties of ENPs.

On the other hand, null changes in total OM content have been determined using
concentrations of 10 and 100 mg kg−1 of CeO2, Fe3O4 and SnO2 NPs [94], 1000 mg kg−1

of ZnO ENPs [93], 10 and 100 mg kg−1 of Ag ENPs [95], and 1% (w/w) Fe3O4 and CuO
ENPs: soil [23]. The reason was related to the low amount of added ENPs. Specifi-
cally, Ben-Moshe et al. [23] added Fe3O4 and CuO ENPs to a Red Sandy clay loam and
Rendzina soil.
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3.2.6. Nutrients Availability

All plants require macronutrients like P, nitrogen (N), and potassium (K) for growth.
In particular, P in the environment exists as H3PO4, H2PO4

−, HPO4
2−, and PO4

3−, the dis-
sociation constants of which are: pK1 = 2.21, pK2 = 7.21, and pK3 = 12.67, respectively [96].
In agricultural soil, phosphate in H2PO4

− and HPO4
2− helps plant growth and microor-

ganisms, whose bioavailability may be affected by the deposition of pollutants, including
ENPs [97]. Various studies conducted in aqueous systems have reported that phosphate
can be adsorbed on ENPs like CeO2 [98], magnetic iron oxide [99], Fe [100,101], ZnO [13],
Fe/Cu [102], and TiO2 [103]. It has been established that there is a chemical interaction
between phosphate and active sites of different ENPs; the bonding is irreversible. In addi-
tion, those studies suggest that cations released from ENPs can form complexes and/or
precipitates with phosphate. Although those investigations were not carried out in soils,
they could be an approach to what could happen in the soil matrix. In fact, in the study
carried out by Moharami and Jalali [104], they found that Al2O3 and Fe3O4 ENPs increased
phosphate adsorption in calcareous soil. In addition, the presence of ENPs favored the
transfer of phosphate from the HCl-P fraction to the Res-P and NaOH-P. Based on this, they
concluded that the bioavailability of phosphate decreases due to the addition of ENPs [104].
In the same way, Koopmans et al. [105], using ferrihydrite of a size between 2–3 nm and
a surface area of about 5.4 m2 g−1, determined that the phosphate concentration in the
0.01 M CaCl2 soil extracts decreased. Recently, Suazo-Hernández et al. [26,27] determined
that L-ascorbic acid-coated Cu or Ag ENPs increased phosphate adsorption in an Andisol
and its fractions. Particularly, in Suazo-Hernández et al. [26], using the Langmuir model,
they concluded that by increasing Ag or Cu NPs content from 0 to 5%, the qmax values of
Pi for the Andisol increased by 46% and 54% following the addition of Cu or Ag ENPs,
respectively. These results were attributed to a decrease in soil solution, which is due to
the coating of ENPs with L-ascorbic acid and probably some dissolved L-ascorbic acid.
This study is relevant because Cu or Ag ENPs are being used as nano-pesticides, so large
amount of ENPs can be deposited in soils.

One of the ENPs most likely to reach agricultural soils is ZnO because Zn is a nec-
essary micronutrient for plants, and can therefore be incorporated into soils through
agrochemicals [106]. The interaction between PO4

3− and ZnO ENPs is related to the re-
lease of ions from ENPs. Subsequently, they can form a micrometer scale crystalline zinc
phosphate and a nanoscale amorphous Zn3(PO4)2 shell [107]. Likewise, Zn is one of the
essential structural components of the enzymes phytase and phosphatase which partici-
pates in the mobilization of native P. Studies carried out by Verma et al. [48] found that
ZnO ENPs increased the secretion of P mobilizing enzymes and consequently increased
the concentration of phosphate bioavailable in the soil. Thus, the effect of ENPs on the
bioavailability of P can be regulated by both direct and indirect factors. When TiO2 and
Fe3O4 ENPs were added to a sandy-loam soil, the phytoavailability of the P bound to the
rhizosphere increased. The results were due to the acidification produced by the exudation
of organic acids of Lactuca sativa roots Zahra et al. [108]. A similar mechanism was proposed
for an increase in the concentration of available phosphate in the presence of Fe ENPs [99]
and CeO2 ENPs [47]. According to the report by Feng et al. [109], composites of CeO2
ENPs-functionalized maize straw biochar (CeO2-MSB) decreased the total phosphorus
(TP) concentration of surface water by 27.33% and increased the TP content of the upper
soil layer by 7.22%. Although this indeed caused an increase in P adsorption, it could be
interesting to establish that the interaction between P and soil caused an increase in the
height of the rice plant and the foliar area. Therefore, CeO2-MSB could be used to reduce
the risk of P loss from the surface of rice fields.

4. Conclusions and Perspectives

Metal and metallic oxide ENPs deposition/accumulation in soils will increase over
time. In general, we have determined that ENPs can compact the particles, helping to
improve their rigidity, as well as causing changes in pH, EC, Eh, and SOM. These results

12



Nanomaterials 2023, 13, 572

depended on the soil properties and the doses, concentrations, and types of ENPs. Fur-
thermore, the presence of ENPs or the cations released from them in soils can interact with
nutrients, forming complexes or precipitates and modifying their availability in the soil
solution. Research into the impacts of ENPs on physical and chemical soil properties is still
in its initial stage. For this reason, future studies should investigate not only the advantages
of applications of metal and metallic oxide ENPs in agricultural systems but also their
risks and disadvantages, like their impact on soil health and quality, considering abiotic
properties as well as microorganisms and plants in the short and long term.
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Abstract: The synergistic impact of microplastics (MPs) and organic pollutants remains poorly
understood in the marine environment. This study aimed to assess the toxicity of polypropylene
microplastics (PS) and/or di-(2-ethylhexyl) phthalate (DEHP) on marine clams. Both Ruditapes
philippinarum and Tegillarca granosa were exposed to PS and DEHP individually and combined at
environmentally relevant concentrations for 48 h. The filtration rate, antioxidant enzymes activity,
lipid peroxidation, reactive oxygen species accumulation, and histological alterations were evaluated.
Our results show that single or co-exposure to MPs and DEHP significantly decreases the filtration
rate in both type of clams, but the latter exhibited stronger inhibition effect. Close examination of
accumulation of reactive oxygen species and related biomarkers revealed that combined exposure
exerts greater oxidative stress in the cells, which causes more serious histopathological damage in the
gills of the bivalves. Our study implies that MPs, in synergy with organic pollutants, can be more
harmful for marine organisms.

Keywords: microplastics; organic pollutants; bivalves; oxidative damage; synergic effects

1. Introduction

Improper use and disposal of plastics has made plastic pollution a major global envi-
ronmental concern [1–3]. Large quantities of mismanaged plastic wastes enter the oceans
worldwide every year [2]. The degradation of these wastes produces plastic fragments or
particles less than 5 mm, known as primary microplastics (MPs) [4]. In addition, plastics
deliberately manufactured in this size for use in cosmetics or as abrasives are another
important source of MPs in the marine environment [5,6]. The ubiquitous distribution of
these MPs presents a major threat to various marine organisms and has evolved into an
overwhelming challenge for ocean health.

Marine bivalves have been considered particularly susceptible to microplastic pollu-
tion, as their strong filter-feeding activity make them readily accumulate MPs from the
surrounding seawater [7–9]. Under sufficiently high concentrations, MPs result in altered
feeding activities, slower growth, and impaired development in bivalves [7]. At the tissue
and organ level, gills and the digestive glands are the most important target organs of MPs,
in which histopathological alterations and inflammatory response can be observed [10–12].
At the cellular level, MPs can trigger a series of stress responses, such as oxidative injury,
activation of antioxidant defenses, and destabilization of the lysosomal membrane [10,13].
Overall, these findings clearly indicate that MPs can produce a number of sublethal effects
that could reduce the fitness of bivalves. This could impact survival of the individuals,
recruitment of new members, and the sustainability of the bivalve population.
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It should be noted that marine environments contain a great diversity of pollutants.
MPs interact with co-existing pollutants via sorption and desorption. Because of their small
size and large surface area, MPs can act as carriers for various pollutants, such as heavy
metals, pharmaceuticals, and persistent organic pollutants [6,14,15]. Bivalves are believed to
face simultaneous exposure to these chemicals and MPs [16]. While the toxic effects of MPs
from single exposure are comparatively well known, the mechanisms and environmental
relevance of combined toxicity resulting from the combined pollution deserve further
study. Laboratory evidence has shown that MPs play a “carrier” role in increasing the
bioaccumulation of sorbed organic pollutants [17–19]. Several studies have indicated that
MPs exacerbate the adverse effects of organic pollutants [14,15,20,21]. Aquatic organisms
suffer from greater histopathological damage or stresses when exposed to organic pollutants
(PCBs, PAHs, brominated flame retardants, perfluorinated compounds, or methylmercury)
together with MPs than from single pollutants alone [10,22]. For example, co-exposure
to bisphenol A (BPA) and polystyrene (PS) nanoparticles generates greater neurotoxic
effects in both the central nervous system and the dopaminergic system of zebrafish
than to BPA alone [23]. Combined exposure of MPs with organic contaminants can also
produce negative effects at genetic levels. Avio et al. [24] observed MP-associated organic
contaminants caused irreversible DNA damage in the mussel Mytilus galloprovincialis.
These studies have clearly indicated the synergistic or additive effects of MPs and organic
pollutants. However, some studies contradictorily found that the presence of MPs decrease
the toxicity of organic pollutants [25,26]. These inconsistent findings imply the complexity
of interactions between MPs and organic pollutants and point to the need for further
investigations of their combined toxicity. Currently, few studies have specifically studied
the effect of combined exposure of MPs and endocrine disruptors on the gill function in
terms of oxidative stress and histopathological changes in this important tissue.

To clarify the effects of exposure to MPs and/or organic pollutants on bivalves, accu-
mulation of reactive oxygen species (ROS) was analyzed in the gills, the first organ. A set
of biomarkers, including superoxide dismutase (SOD), peroxidase (POD), catalase (CAT),
and peroxidase (POD), involved in oxidative injury and cellular antioxidant defense were
studied to reveal the mechanisms counteracting the toxicity in the bivalve. Histopatho-
logical damage was observed via microscopic analysis after staining by hematoxylin and
eosin. Polystyrene MPs were selected as model contaminants because they are one of the
most common MPs in estuaries and coastal areas. Bis(2-ethylhexyl) phthalate (DEHP), one
of the most widely used phthalic acid esters (PAEs), was chosen for the representative of
endocrine disruptors in order to investigate the synergistic effects with MPs.

2. Materials and Methods
2.1. Preparations of Organisms and Materials

Healthy R. philippinarum (manila clam) and T. granosa (blood clam), with a mean shell
length of 30.5 ± 1.5 mm and 28.5 ± 1.5 mm, were obtained from Shenzhen (Guangdong,
China) and fed Chlorella vulgaris in the culture device (10 individuals in 10 L artificial
seawater) for 48 h. Before the experiment, 80 R. philippinarum and T. granosa were accli-
matized for one week in plexiglass containers (previously soaked with 10% HNO3) with
continued aerated and filtered artificial seawater (temperature, 20.5± 0.5 ◦C; pH, 8.1± 0.02;
salinity, 30.5± 1.0) and fed Chlorella vulgaris (5.0× 104 cell mL−1) daily in the laboratory [8].
During the acclimatization and culture period, the properties of the artificial seawater were
relatively constant. The seawater was changed daily to maintain quality, and no mortality
was recorded during the acclimation and exposure period.

Polystyrene microplastics beads (approximately 1 µm in diameter, Figure 1, in the
concentration of 3.0 mg L−1) were used as typical MPs for this study, as PS is one of the
most widely applied plastics worldwide and is a commonly encountered MP in marine
environments [27,28]. According to previous studies, MPs in the shape of a bead are likely
be easier to be ingest and translocate within invertebrates, leading to adverse biological
impacts, hence PS microbeads were employed here [29,30]. In addition, the concentration
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of PS used in this work was considered as representative of the MPs polluted hotspot
along coastal environments [31,32]. PS microplastics were synthesized with emulsion
polymerization with styrene as a monomer, based on the methods described in Sun et al. [33]
and Feng et al. [34]. Briefly, sodium dodecyl sulfate and ammonium persulfate were used
as an emulsifier and an initiator, respectively. The synthesized product was transferred to a
dialysis bag for removal of redundant styrene monomer, emulsifier, and initiator, and then
freeze-dried before use.
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Figure 1. Characterization of PS particles used in this study. SEM image (a), infrared spectra (b), and
Raman spectra (c), size distribution of the PS MPs measured by DLS (d). Aromatic C-H stretching
vibration generated absorption peaks at the wave numbers of 3060 and 3026, and aromatic C=C
stretching vibration generated three absorption peaks around the wave numbers of 1600, 1492, and
1452. The Raman spectrum of PS had a typical intense band at 1002 cm−1, which was linked to the
breathing mode of the aromatic carbon ring.

The surface morphologies and diameters of the MPs were observed and measured
by field emission scanning electron microscopy (FEI-SEM, Quanta 250, FEI Company,
Eindhoven, The Netherlands). The FTIR spectra were detected in the 4000–400 cm−1 region
with a resolution of 4 cm−1 by a Nicolet iS10 (Thermo Fisher Scientific Inc., Waltham, WA,
USA). The Raman microscope was set up as follows: number of sample scans 3, exposure
times 15, background exposure times 512, laser 532 nm, laser energy 8 mW. Each suspected
MP was manually located with 10× lens of DXR2 Raman. The average diameter of the
PS was 735 ± 87 nm (n = 20). This diameter fell into the size category of nanoplastics
(1–1000 nm, Hartmann et al., 2019) and the size range of MPs commonly observed in the
coastal environment [35]. The SEM image, infrared spectra, and Raman spectra are shown
in Figure 1. Dynamic light scattering (DLS, (Zetasizer, Malvern, UK)) analysis indicated that,
in pure water (pH = 7,4), polystyrene microplastics were dispersed homogeneously, with a
DLS size of 0.9 µm. In seawater (pH = 8.1), polystyrene MPs were gradually aggregated
into approximately 1 to 7.8 µm, with average clusters of 4.9 µm.

2.2. Short-Term Exposure of Bivalves to MPs and DEHP

After one week of acclimation, forty healthy R. philippinarum and T. granosa were
randomly assigned to four treatments (in triplicate for 48 h) respectively: Control (with
only R. philippinarum or T. granosa); PS (with 3 mg L−1 PS); DEHP (with 50 µg L−1 DEHP);
and PS + DEHP (with 3 mg L−1 PS and 50 µg L−1 DEHP). During exposure treatment, ten
individuals were randomly translocated into a 12 L plexiglass container (containing 10 L
artificial seawater). The concentration of 3 mg L−1 PS was approximately 2.6 × 1012 parti-
cles mL−1, respectively. The cultivation conditions were kept the same as the acclimation
period, and PS or DEHP were added after feeding Chlorella vulgaris.
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2.3. Measurements of Filtration Rates

The filtration rates assessment was conducted on the basis of previous studies [7,36].
Approximately 150 mL of Chlorella vulgaris was added into each plexiglass container,
providing a cell density of 5.0 × 104 cell mL−1 in artificial seawater. According to the
function of microalgae quantity and time, the filtration rate can be calculated. Three
repeated samples were collected from each container, in brief, 20 mL seawater was taken
before feeding and 1 h after feeding. The concentrations of microalgae were determined by
a flow cytometry system (VS-IV, Fluid Imaging Technology, Scarborough, ME, USA). The
filtration rates were calculated as follows:

Filtration rate = V/(n·t) × log (C0/C60)

where n is the number of individuals in each container, t is the consumption time (1 h), and
C0 and C60 is the number of microalgae at t = 0 and t = 60, respectively. The results were
given as L clam−1 h−1.

2.4. Analysis of SOD, CAT, POD, and MDA in the Gills

The visceral mass of the clams was dissected under low temperature conditions, with
three biological samples for each replicate. The collected samples were homogenized in
cold phosphate-buffered saline (three organisms per replicate). All pretreated samples
were stored at −80 ◦C until analysis. The enzyme activity, including superoxide dismutase
(SOD), catalase (CAT), and peroxidase (POD), were measured using the corresponding
commercial assay kit (Nanjing Jiancheng Bioengineering Institute, Nanjing, China). SOD
is an antioxidant enzyme, which can not only effectively remove free radicals from the
body, but also specifically remove the damage of superoxide free radicals from cells [37].
Generally, the CAT–SOD system is considered to be the first line of defense against the
toxicity of reactive oxygen species under adverse stress [38,39]. POD is one of the key
enzymes in the enzymatic defense system under adverse conditions, and it cooperates with
SOD and CAT to remove excess internal free radicals [14]. Malondialdehyde (MDA), a
commonly used index of membrane lipid peroxidation, was determined using an MDA
assay kit (Jiancheng, Nanjing, China).

2.5. Examining the Accumulation of Reactive Oxygen Species (ROS) in the Gills

In order to visualize O2− and H2O2 in situ, fresh cut clam tissues were stained with
2′,7′-dichlorodihydrofluorescein diacetate acetyl ester (DCFH-DA; Sigma Aldrich, Burling-
ton, MA, USA) and the ROS fluorescent probe dihydroethidium (DHE; Sigma-Aldrich),
respectively [40,41](Waters et al., 2021; Yu et al., 2021). The staining operations were per-
formed according to manufacturer protocols. After incubation, transverse sections were
imaged using a fluorescence microscope, with the fluorescence intensity calculated by
Image-Pro plus 6.0. In brief, firstly, taking images under 200× of visual field randomly
from each treated earthworm slice, we ensured that the background light of each image was
consistent. Subsequently, we converted green/red fluorescent monochrome photos into
black-and-white images, and then selected the same black as the unified standard (positive
control). We analyzed each image to obtain the positive cumulative optical density (IOD)
and the pixel area (AREA) of samples, then calculated the average optical density value
IOD/AREA (mean density) [42](Adler and Parmryd, 2010).

2.6. Histological Analysis of the Gills

To evaluate the histopathological alterations after stressor exposure, the gills of
R. philippinarum and T. granosa were separated and fixed overnight in 10% (v/v) formalde-
hyde. Subsequently, each of the gill samples were cut into 3 µm thick sections and em-
bedded in paraffin. The slices were then stained with hematoxylin and eosin (HE) before
examination with a microscope, according to Sarasquete and Gutiérrez [43]. The histological
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changes were assessed using a microscope (3D HISTECH, Pannoramic MIDI, 3D-Histech
Ltd., Budapest, Hungary) and the images were analyzed by CaseViewer.

2.7. Statistical Analysis

The data were managed using IBM SPSS statistics and OriginPro software. Unless
stated otherwise, data in the graphs/plots and tables are displayed as the mean ± s.d. One-
way analysis of the variance with an LSD post-hoc test was used for multiple comparisons.
When p values were less than 0.05, the results were deemed statistically significantly
different, but exact p values are not shown in the graphs/plots and tables.

3. Results and Discussion
3.1. Effects of MPs/DEHP Exposures on Filtration Rates of Bivalve Mollusks

After a short-term exposure treatment (48 h), the filtration rates (L Clam−1 h−1) of
both types of clams were affected. Exposure of manila and blood clams to the MPs/DEHP
tested resulted in significantly higher reductions in the filtration rate (Figure 2), indicating a
significant decline in food intake [7,44,45]. As observed in this study, exposure to MPs and
DEHP significantly attenuated the filtration rates of both types of clams, and significant
differences were observed among the different stressor treatments. These findings are in
accordance with the results observed in previous studies [16,46].
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Specifically, compared to that of control, both types of clams treated with MPs + DEHP
had significantly lower filtration rates, which were significantly decreased by approximately
80.3% and 80.4% for manila and blood clams, respectively. Similarly, the filtration rates of
manila clams exposed to single MPs (3 mg L−1) or DEHP (50 µg L−1) declined 70.2% and
38.6%, and for blood clams declined to 77.7% and 41.6% of that of the control, respectively.
In this work, for manila clams, the filtration rate in MPs + DEHP group dropped to
approximately 34% and 67.9% than that in the single MPs and DEHP group, respectively.
For blood clams, compared with that of single treatment, the filtration rate in MPs + DEHP
group declined to 12.2% and 66.4%, respectively.

It has been demonstrated that MPs may release endocrine-disrupting compounds to
ambient environments such as DEHP, which was found to induce adverse effects in various
organisms [47–49]. There were significantly lower filtration rates in clams treated with MPs
+ DEHP, suggesting that the negative impacts induced by single MPs or DEHP might be
augmented by the synergic effects of MPs and DEHP [21,50]. Generally, the decrease in
the filtration rate after exposure is largely probably owing to the tendency of the tested
clams to shut off their valves to avoid continuous exposure [13,51]. As shown in previous
studies, Corbicula fluminea and Mytilus edulis L. closed their valves after exposure to MPs
and mercury/bisphenol A, which is an adaptation for bivalves [43,52].
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3.2. Effects of MPs/DEHP Exposures on Enzymatic and Non-Enzymatic Antioxidant Defenses

In the context of MPs and organic pollutants, exposure is the factor that may induce
various responses on the antioxidant markers of aquatic organisms [10,20]. In this study,
antioxidant parameters, i.e., SOD, CAT, and POD, in the gill tissues were assessed, due to
their critical roles in the uptake and elimination of pollutants, and in different physiological
process [9,53]. Lipid peroxidation (MDA content), as the process of ROS (reactive oxygen
species) oxidation of biofilm after enhanced oxygen stress [14], was separately evaluated in
the gill tissues.

As an important component of the enzyme antioxidant system, SOD plays an irre-
placeable role in the reaction process of homeostatic oxidative stress. The SOD results are
shown in Figure 3A. The lowest values were detected in clams exposed to MPs (3 mg L−1) +
DEHP (50 µg L−1), with 1.5 and 2 U mg−1 protein in manila and blood clams, respectively,
implying that co-exposure to MPs and organic pollutants can impede the free radicals
capability of bivalves [54]. Nevertheless, the change trend of SOD activity induced by
pollutants exposure was inconsistent in manila and blood clams. For manila clams, both the
MPs/DEHP group and the combined exposure group significantly decreased SOD activity.
The SOD activity in the MPs + DEHP group was 45.5% and 33.5%, lower than that of MPs
(2.8 U mg−1 protein) and DEHP (2.3 U mg−1 protein) alone. For blood clams, the SOD
activity was significantly increased after single exposure, while significantly decreased in
MPs + DEHP treatment, which was 40% lower than that of the control (3.4 U mg−1 protein).
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Figure 3. Effects of MPs/DEHP on the activity of antioxidant enzymes (A): SOD, superoxide dis-
mutase; (B): CAT, catalase; (C): POD, peroxidase and lipid peroxidation level (D): indicated by
malondialdehyde content in manila clams (R. philippinarum) and blood clams (T. granosa) after 48 h of
exposure to different PS microplastics and DEHP. Data are presented as mean ± s.d., n = 5. Asterisks
above data indicate significant differences between the two groups, * p < 0.05, ** p < 0.01.

The results from CAT are shown in Figure 3B. The exposure of clams to MPs or MPs +
DEHP decreased the CAT antioxidant activity after 48 h compared with control. The reduc-
tion in CAT activity suggests that MPs alone or combined with organic pollutants might
cause actual inhibitory effects on the CAT–SOD system after a short-term exposure [14],
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whereas increased activity was observed when blood clams were exposed to DEHP alone.
For manila clams, exposure to MPs/DEHP alone or combined significantly decreased CAT
activity, and co-exposure to MPs + DEHP led to less impact on CAT activity (1.1 U mg−1

protein), which was 89.6% and 36.9% higher than that of MPs (0.6 U mg−1 protein) and
DEHP (0.8 U mg−1 protein) alone. For blood clams, MPs and MPs + DEHP exposure
significantly decreased CAT activity, however, CAT activity was significantly promoted
in the DEHP group (1.9 U mg−1 protein), which was 30% higher than that of the control
(1.4 U mg−1 protein).

Total POD activities varied from 0.028 to 0.06 U mg−1 protein in manila clams and
from 0.012 to 0.072 U mg−1 protein in blood clams (Figure 3C), with the lowest value
being recorded in the DEHP and MPs group, respectively, after 48 h of exposure. For
manila clams, MPs (0.04 U mg−1 protein) or MPs + DEHP (0.055 U mg−1 protein) treatment
significantly increased POD activity, while DEHP exposure alone (0.029 U mg−1 protein)
had no effect. For blood clams, POD activities were largely decreased by all treatments;
additionally, the decrease of POD activity (0.055 U mg−1 protein) in the MPs + DEHP
group was lower than that of the MPs (0.045 U mg−1 protein) or DEHP (0.031 U mg−1

protein) group.
The lipid peroxidation (indicated by MDA content) results display a trend to increase

throughout the exposure tests for both types of clams (manila and blood clams) (Figure 3D).
The lowest values were measured in control organisms (1.51 and 11.5 nM mg−1 protein,
respectively) and the highest values (6.8 and 16.6 nM mg−1 protein, respectively) were
observed in organisms exposed to MPs + DEHP after 48 h of exposure. For manila clams,
the MDA content in clams exposed to MPs + DEHP was 36.1% and 79.9% higher than those
exposed to MPs and DEHP alone, respectively. For blood clams, the content of MDA in the
MPs + DEHP group was 11.1% and 28.9% higher than that of single group, respectively.

When bivalves are exposed to MPs or organic pollutants, ROS, i.e., O2−, H2O2, or HO,
will be over-accumulated, which can directly cause LPO damage [15,55]. The excessive ROS
thus leads to an increase of MDA, which is one of the byproducts of LPO [15]. Generally,
the present findings of growth inhibition, antioxidant enzyme activities (SOD, CAT and
POD) alteration, and MDA increase in single/combined toxicity indicate that the presence
of microplastics and organic pollutants could cause the gills of bivalves to accelerate the
production of ROS [12].

3.3. Effects of MPs/DEHP Exposures on ROS Accumulation

To assess the accumulations of ROS in gills of manila clams (R. philippinarum) and
blood clams (T. granosa), O2− and H2O2 were detected using DHE and DCFH-DA. The ROS
(O2− and H2O2) staining observations revealed that the ROS concentration in gills of manila
and blood clams were significantly enhanced by MPs/DEHP exposure for 48 h (Figure 4).
This is consistent with the results of MDA increase, and is also in accordance with previous
studies’ findings [54,56]. For manila clams, regardless of whether MPs and DEHP exposure
was alone or combined, ROS accumulation occurred in the gill tissues. The combined
exposure showed higher accumulation levels, followed by MPs alone exposure. Compared
to the control, the O2− and H2O2 concentrations in MPs + DEHP were approximately 6 and
8.6 times higher, respectively (Figure 4B,C). For blood clams, similar results were observed,
in which MPs and DEHP exposed alone or combined, obvious ROS accumulation was
detected in the gill tissues. Co-exposure led to higher accumulation levels, followed by
MPs alone exposure. Compared to the control, the O2− and H2O2 concentrations in MPs +
DEHP were approximately 5 and 12.2 times higher, respectively (Figure 3B,C).
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Figure 4. Effects of MPs/DEHP on the accumulation of ROS in gills of manila clams (R. philippinarum)
and blood clams (T. granosa) after 48 h exposure to different PS microplastics and DEHP (A). Red and
green fluorescence indicate O2− and H2O2, respectively, representative pictures. Data are presented
as mean ± s.d, n = 5. The fluorescence intensity of red (B) and green (C) values were calculated from
six different pictures for each data, n = 6, scale bar 200 µm. Asterisks above data indicate significant
differences between the two groups, * p < 0.05, ** p < 0.01.

In general, MPs exposure in organisms can disrupt the redox homeostasis and cause
oxidative challenges by rapidly accumulating ROS concentrations in tissue [38]. In this
work, ingestion of microplastics by bivalves induced oxidative stress that destabilized
the homeostasis and produced free radical and leads to increases ROS in gill tissue of all
treated clams. Polystyrene microplastics have been found to increase the ROS production
level in various aquatic organisms [56–58]. This could possibly be due to the insufficient
elimination of free radicals in clams, eventually causing oxidative damage and histopatho-
logical changes [35,58]. Over-accumulated ROS affect the antioxidant system response
and cause oxidative stress [59]. As a result, short-term dietary exposure to polypropylene
microplastics and/or organic pollutant (DEHP) influences the antioxidant defense system
of both manila and blood clams.

3.4. Effects of MPs/DEHP Exposures on Histological Alterations

Obvious histopathological changes were observed in the gills of both types of clams,
as a result of 48 h actual toxicity tests, after the microscopic examination of the gill tissues
sections (Figure 5). Co-exposure to MPs and DEHP in particular caused discrete pathologies
in the gills. No histopathological alterations were found in the gill tissues of the control
groups, which had normal structure, displaying basic features of the primary and secondary
lamellae with typical pillar, chloride cells in the epithelium, and hemocytes throughout the
basal to frontal zones (especially in blood clams). MPs exposure has been reported to cause
remarkable tissue pathologies in various aquatic organisms, i.e., Crassostrea gigas, Mytilus
spp., Pomacea paludosa, and Mytilus edulis. [11,12,60]. Similar effects were also observed to
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be induced by combined MPs and DEHP. For example, polystyrene plastics particles and
DEHP co-exposure caused significant histological damages in Micropterus salmoides [61].
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Figure 5. Representative images of haemotoxylin/eosin-stained sections of gill extracted from manila
clams (R. philippinarum) and blood clams (T. granosa). Normal structure shown in the control group,
histopathological changes occurred after single/co-exposure to polystyrene MPs/DEHP, Scale bar
200 µm. cs: ciliary structure destruction; lc: loss of contact between gill filaments; ic: inflammatory
infiltration; ne: necrosis; cr: curly. sw: swollen; lh: rare in hemocytes; br: broken; ne: necrosis.

However, in comparison to single treatment of DEHP alone, the histopathological
degree was more serious in the MPs group and the gill filaments were morphologically
changed. For manila clams, pathological changes occurred in the tissues, such as ciliary
structure destruction (cs), loss of contact between gill filaments (lc), inflammatory infiltra-
tion (ic), and necrosis (ne). For blood clams, there were curly (cr) and swollen (sw) gill
filaments in the frontal lobe, and rare in hemocytes (lh). Co-exposure to MPs + DEHP led
to abnormal gill structure, mainly manifested in the gill filament terminal being swollen
(sw) or broken (br), and cell necrosis (ne). In addition, compared with single exposure to
MPs/DEHP, more obvious morphological changes were found in the gills of the MPs +
DEHP group, which completely lost their original features and became necrotic.

It has been demonstrated that MPs and DEHP exposure can interfere with carbo-
hydrate metabolism and ROS elimination of tested organisms [62,63] (Brate et al., 2018;
Romano et al., 2018). This leads to significant pathologies alterations, such as inflammation
and cell necrosis, in both vertebrate and invertebrate species following MPs or organic
pollutants exposure [7,61] (Sikdokur et al., 2020; Liao et al., 2022). The histopathological
alterations that may occur in tested organisms can vary depending on biotic and abiotic
factors, e.g., animal (species, life stage, tolerance capability etc.), pollutant (type and char-
acteristics), and exposure condition (concentration, duration, and pathway) [3,64–66]. In
this study, the pathological changes that occurred in the gills of both types of clams may be
attributed as a cause of attenuated filtration rate.

4. Conclusions

The results of the current study indicate that both R. philippinarum and T. granosa
are vulnerable to short-term microplastics and DEHP exposure. The filtration rate of
R. philippinarum and T. granosa were significantly decreased as a result of the exposure to
MPs and DEHP, especially co-exposure treatment, suggesting single/combined exposure
causes significant feeding inhibition. In regard to antioxidant enzymes activities, like SOD,
CAT, and POD, the gills of both types of clams were considerably changed as a result of the
MPs and DEHP exposure. The lipid peroxidation level (MDA) occurred in single/combined
toxicity, implying that the presence of MPs and DEHP could induce the gill of bivalves
to accelerate the production of ROS. Further analysis confirmed the over-accumulation
of ROS (O2− and H2O2) in gill tissues of R. philippinarum and T. granosa, thus leading to
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oxidative damage and histopathological changes, which results in a sharp decrease of the
filtration rate.

Considering the widespread pollution of marine ecosystems by MPs and organic
pollutants, once in severely contaminated environments, bivalves are inevitably at risk
of suffering adverse effects deriving from both MPs and organic pollutants. However, it
should be noted that the size of MPs was around 700 nm in this study, which is larger
than the typical nanoplastics (1 to 100 nm) [67]. The scope of this study is limited, as it
only investigated one size of nanoplastic. Size is a critical parameter that determines the
toxicity of nanoplastics [68,69]. To fully understand the ecological impacts of nanoplastics
and the associated organic pollutants, it is imperative that more research is conducted to
investigate the effect of size. Greater toxicity is expected for smaller particles because of
their high specific surface area and their ability to cross cell membranes where they may
cause oxidative stress within the cell.
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Abstract: Lipid nanoparticles (LN) composed of biodegradable lipids and produced by green methods
are candidates for the encapsulation of pesticides, potentially contributing to decreasing their release
in the environment. From a safety-by-design concept, this work proposes LN for the encapsulation of
insecticide active ingredients (AI). However, given the complexity of nanoparticles, ecotoxicological
studies are often controversial, and a detailed investigation of their effects on the environment is
required. Accordingly, this work aimed to produce and characterize LN containing the insecticide
lambda-cyhalothrin (LC) and evaluate their safety to crops (Solanum lycopersicum and Zea mays),
soil invertebrates (Folsomia candida and Eisenia fetida), and soil microbial parameters. The average
particle size for LN-loaded with LC (LN–LC) was 165.4 ± 2.34 nm, with narrow size distribution and
negative charge (−38.7 ± 0.954 mV). LN were able to encapsulate LC with an entrapment efficacy
of 98.44 ± 0.04%, maintaining the stability for at least 4 months. The LN–LC showed no risk to the
growth of crops and reproduction of the invertebrates. The effect on microbial parameters showed
that the activity of certain soil microbial parameters can be inhibited or stimulated by the presence
of LN at highest concentrations, probably by changing the pH of soil or by the intrinsic properties
of LN.

Keywords: nanopesticides; insecticides; ecotoxicology; non-target terrestrial organisms; soil micro-
bial parameters

1. Introduction

Modern agriculture practices have been suffering constant pressure to increase food
production, due to the rapid expansion of global population density, as well as the need
to respond to highly demanding markets and consumers. The intensification of the use
of agrochemicals, especially insecticides for pest control, has been one of the major conse-
quences [1] and is partly responsible for different environmental issues, such as soil, water,
and food contamination; pest resistance; bioaccumulation of pesticide residues in food
chains; and decrease of biodiversity [2]. During the field application, only a fraction of
the active ingredient (AI) of pesticide formulations reaches the desired target. The largest
amount is lost because of improper pulverization practices and precipitation washing,
being decomposed and/or becoming mobile in the environment through volatilization, soil
percolation, and runoffs. Variable environmental conditions also affect pesticides’ stabil-
ity [3], thus increasing the amounts that have to be applied [4] and the costs to the farmers.
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In most cases, and depending on its chemical properties, the agricultural ecosystems are
unable to completely neutralize the applied insecticides, resulting in the accumulation of
its residues in the non-target compartments, such as biota [5].

In recent years, different strategies have been proposed for the sustainable control of
agricultural pests and diseases. In this context, nanoscience and nanotechnology develop-
ments have been targeting the agri-food sector through the design of nanopesticides (NPest)
formulations [6], in which, for example, pesticide’s active ingredients (AI) are encapsulated
in nanomaterials (NM) [7], with a size between 1 and 1000 nm [8]. The use of NPest has
been announced as a promising strategy for pest management, since nanoformulations
decrease the amount of pesticide AI needed by improving its stability (protecting AI from
external agents, such as temperature, light, and moisture) and by controlling its targeted
release in the environment with minimal environmental and human impact. In this context,
lipid nanoparticles (LN) appeared as promising nanocarriers for insecticide AI loading,
as they are composed of biocompatible and biodegradable lipids [3], have good physico-
chemical stability, promote sustainable release of AI, and their synthesis offers competitive
costs and ease of manufacturing [9]. In addition, LN can be produced by ecofriendly
methods, without the use of organic solvents [10]. However, only one study described the
application of LN for the encapsulation of insecticide AI [11]. Furthermore, these studies
only evaluate the efficacy of insecticide-loaded LN on target species, and, thus, there is still
limited information about the safety of these systems to non-target organisms, specially to
terrestrial species.

In this context, the present work aimed at encapsulating the insecticide lambda-
cyhalothrin (LC) in LN, using physiological lipids and ecofriendly methods, as well as at
evaluating their safety on agriculture crops (Solanum lycopersicum and Zea mays), on soil
invertebrates (Folsomia candida and Eisenia fetida), and on soil microbial parameters.

Lambda-cyhalothrin (LC) is a type II pyrethroid insecticide [12] that mimics natural
molecules extracted from chrysanthemum flowers (Chrysanthemum cinerariaefolium and
C. cineum) with biocidal effect and therefore has been widely used to control insect pests
in agriculture, veterinary, and domestic applications. However, after spraying products
containing pyrethroids, their residues can be spilled on soil, where they can accumulate,
as pyrethroids are highly hydrophobic compounds, binding to organic matter and other
soil components [13]. Nevertheless, due to it risk to aquatic organisms and non-target
arthropods, LC has been banned from the European market since 2021, based on the risk
assessment of LC presented by The European Food and Safety Authority [14]. Thus, the
encapsulation of LC in physiological and biodegradable lipids may be an excellent strategy
to reduce its harmful effects on the environment and to recycle the use of the banned
pesticides with a more sustainable perspective. In addition, the gathered data in the present
study can be used in a safety-by-design (SbD) approach to select the concentrations of the
encapsulated AI that are less harmful to non-target species, and they can then be tested for
their efficacy to target species. To the best of our knowledge, the environmental safety of
LC encapsulated in LN has not been previously reported, and, therefore, these findings can
facilitate the understanding of the impact of encapsulated LC on the environment.

2. Materials and Methods
2.1. Materials

The AI lambda-cyhalothrin (LC) was purchased from LGC Standards (Barcelona,
Spain). Precirol® ATO 5 (Prec) (Glyceryl palmitostearate) (Gattefosse S.A., Saint-Priest,
France) was used as a solid lipid, and Capryol 90® (Propylene glycol monocaprylate)
was used as a liquid lipid (Gattefosse S.A., Saint-Priest, France). Soy lecithin, used as
amphipathic surfactant, was obtained from VWR (Alfragide, Portugal). The surfactant
TegoCare 450® (TG450) was supplied by Evonik Industries (Essen, Germany). Dimethyl
sulfoxide (DMSO) was used as a dispersant agent to suspend LC and was obtained from
Sigma-Aldrich (Lisbon, Portugal).
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Preparation and Characterization of Lipid Nanoparticles (LN)

LN were prepared by a modified oil-in-water (O/W) emulsion method without the
addition of organic solvents, as described previously [15]. Briefly, 0.1% (w/w) of LC was
added to the oil phase composed of 3% (w/w) of glyceryl palmitostearate, 0.5% (w/w) of soy
lecithin, 2% (w/w) of Capryol 90, and 1.5 % (w/w) of TG450 and heated at 5–10 ◦C above
the melting point of the solid lipid (~65 ◦C). The aqueous phase was heated to the same
temperature and then added to the oil phase, followed by high-speed homogenization at
15,000 rpm (Ultra-Turrax T25, IKA Labortechnik, Deutschland, Germany) for 10 min, with
a probe (18 G). After homogenization, the dispersion was placed in an ice bath for 10 min
for recrystallization of the lipid matrix and formation of LN.

LN were characterized for the average particle size, particle distribution expressed
as polydispersity index (PI), and zeta potential (ZP). The average size and PI were deter-
mined by dynamic light scattering (DLS) with a Zeta Sizer NanoZS equipment (Malvern
Panalytical, Malvern, UK), using disposable polystyrene cells, 173◦ scattering angle, and
refractive index of 1.6. The ZP analysis of LN was performed in the same equipment
by electrophoretic light scattering, using disposable plain folded capillary zeta cells. All
measurements were performed at 25 ◦C, and the LN dispersions were diluted in deionized
water in a 1:100 (v/v) ratio and analyzed in triplicate. The values were expressed as mean
values ± standard deviation (SD). After production, unloaded and loaded LN were stored
in the dark at 25 ◦C, and the variation of average particle size, PI, and ZP were recorded at
predetermined time intervals (day 0 and 30, 60, and 120 days after LN synthesis).

Glyceryl palmitostearate in LN was indirectly measured by the filtration/centrifugation
method, followed by the determination of the free amount of LC (non-encapsulated) by
high-performance liquid chromatography (HPLC). A volume of 250 µL of LC-loaded LN
dissolved in ethanol (1:1) was centrifuged for 10 min at 13,500 rpm, at 25 ◦C, in a centrifugal
filter device (Amicon Ultra 0.5, NMWL 30 K, Merck Millipore Ltd., Dublin, Ireland). Then
100 µL of filtrate was diluted with ethanol at 1:4, and the concentration of LC was analyzed
by HPLC. The chromatographic analysis was performed by Shimadzu Nexera-I-LC2040C-
3D (Shimadzu, Kioto, Japan) equipped with Inertsil ODS 3V (150 mm × 4.6 mm, 3 µm)
column (GL Science Inc., Tokio, Japan) at 30 ◦C and a UV–Vis detector set at 240 nm.
The mobile phase consisted of acetonitrile:water (85:15, v/v). The flowrate was set to
0.1 mL/min, and the injection volume was 10 µL. The area under the curve was measured
for the calculation of the LC concentration based on the calibration curve. The EE% was
calculated by using the following equation:

% EE =
Total amount of LC AI − Free AI

Total amount of AI
× 100

2.2. Environmental Safety Assessment of LN–LC on Terrestrial Organisms
2.2.1. Test Soil

Natural soil used in the present study was collected from the 0–20 cm topsoil layer
in the region of Vairão (Vila do Conde, Portugal), in the open fields of the GreenUPorto
Research Centre, with no historical application of pesticides at least in the last three decades,
sieved through a 4 mm mesh size and air dried. The soil physicochemical characterization
presented in Table 1 was performed in the laboratory with soil sieved at 2 mm. Five repli-
cates were used for all the following parameters: pH (H2O and KCl (1 M)), conductivity,
organic matter content (%OM), and water-holding capacity (% WHCmax). The pH and
conductivity were determined in a 1:5 (v/v) soil suspension. After 60 ± 10 min of agitation,
the suspension was allowed to stand for 60 min before measuring pH with a pre-calibrated
multiparameter (Edge, HANNA Instruments, Povoa de Varzim, Portugal) [16]. Conduc-
tivity was recorded with the pre-calibrated meter on the H2O suspension [17]. For OM
content, soil samples were dried at 105 ◦C until constant weight and then obtained by loss
on ignition of dried soil samples at 450 ◦C, for 8 h, and expressed in percentage [18]. For
WHCmax (%), soil samples were introduced in polypropylene containers whose bottom
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was replaced with filter paper and immersed in water for 3 h. Subsequently, soil samples
were drained with successive exchanges of absorbent paper for 2 h and dried at 105 ◦C [19].

Table 1. Physicochemical characterization (mean values ± standard deviation (SD)) of the natural soil.

Natural Soil
pH

(H2O)
pH

(KCl)
Conductivity
(mS cm−1) % OM % WHCmax

6.46 ± 0.020 5.39 ± 0.32 0.77 ± 0.045 5.21 ± 0.15 43.00 ± 0.15
% OM, percentage of organic matter; % WHCmax, water-holding capacity in percentage of dry mass.

2.2.2. Assessment LN–LC Safety to Terrestrial Plants Growth

For the plant growth assay, two species were used: one dicotyledonous plant, Solanum
lycopersicum (tomato); and one monocotyledonous plant, Zea mays (corn). Seeds were
purchased from a local supplier in the city of Porto and used for the assay, following the
standard protocol OECD 227 [20]. For this purpose, 200 g of natural soil was added to
plastic pots moistened to the WHCmax of the natural soil (~43%). For S. lycopersicum and
Z. mays, we added 20 and 10 seeds to each pot, respectively. The test started after the
germination of 70% of the seeds. Then 10 seedlings for S. lycopersicum and 7 seedlings
for Z. mays were kept in each pot, thus avoiding intraspecific competition. The plants
germinated and grew in a growth chamber with a controlled temperature (20 ± 2 ◦C), a
photoperiod (16 hL:8 hD), and photosynthetically active radiation (25,000 lux). After 15 days
of growth and formation of the 2nd and 3rd true leaf, the plants were sprayed on the shoots
with a volume of 5 mL of the nanoformulation containing LC at concentrations of 0, 7,
10, 14, 20, and 28 g LC ha−1 (based on the dose of LC recommended in the commercial
formulation Karate+ (Syngenta)). The compounds tested were LC AI dispersed in DMSO
at 5% (v/v) and LC-loaded in lipid nanoparticles (LN) in an aqueous dispersion (LN–LC).
The effect of DMSO at 5% (v/v) was also tested in a DMSO control. The unloaded LN were
not tested in this case because the LC-loaded LN did not cause significant effects. For the
plants’ growth assays, 5 replicates were tested for the control group and for each compound
tested concentration. In the control, plants were only sprayed with deionized water. After
10 days of exposure, plants from each replicate were harvested, and their fresh and dry
biomass (roots and shoots) and the length of the roots were evaluated.

2.2.3. Assessments of LN–LC Safety to Soil Invertebrates

Since the interaction between the AI encapsulated into LN and the biological mem-
branes can be mediated by the release profile of AI from nanoparticles, the short- and
long-term effects of nanoformulations were evaluated on the avoidance, survival, and re-
production of the earthworm Eisenia fetida (Oligochaeta: Lumbricidae) and the collembola
Folsomia candida (Collembola: Isotomidae). All organisms were obtained from laboratorial
cultures kept under controlled conditions (temperature, 20 ± 2 ◦C; photoperiod, 16 hL:8 hD).
The organisms were fed weekly. Test organisms are collected from synchronized cultures
with homogeneous age.

Reproduction Test with F. candida

The reproduction test with F. candida species was performed according to the OECD
standard protocol 232 [21]. The assay was performed in small plastic containers containing
30 g of natural soil thoroughly mixed with the nanoformulations at the concentrations 0, 7,
10, 14, 20, and 28 g LC ha−1 (based on the doses of LC recommended in the commercial
formulation). The formulations tested were LC AI solution (LC dispersed in DMSO at 5%
(v/v)), unloaded LN, and LC-loaded LN (LN–LC). The concentrations of LN without LC
were based on the amount of solid lipid (SL) used in the synthesis ranging from 0, 150,
210, 300, 480, and 660 g SL ha−1. The concentrations of all LN constituents (lipids and
surfactants) were the same for unloaded and loaded LN with LC. The effect of DMSO at
5% (v/v) was also tested in a DMSO control. The soil WHCmax was adjusted to 50%. The
water used to adjust soil moisture was used to add the formulations at the concentrations
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mentioned. Thereafter, ten individuals (9–12 days old) were placed in the plastic containers,
and dry yeast was added as food. Each concentration and the control groups were tested
in five replicates. After 28 days of exposure, under the same conditions as described for
the cultures, the plastic containers were filled with water, gently mixed with the soil, and
then transferred to larger plastic pots. Afterward, few drops of China ink were added
and carefully homogenized. The collembola floated on the water surface, which was
photographed to allow us to count the number of the adults and juveniles in each pot, using
a public domain software ImageJ version 1.53k (Wayne Rasband and contributors, National
Institutes of Health, Maryland, USA – Java 1.8.0_172 (64-bit) – http://imagej.nih.gov/ij).

Avoidance and Reproduction Tests with E. fetida

Avoidance tests with E. fetida were carried out in plastic boxes and followed the
standard protocol ISO 17512-1 [22]. The boxes were divided into two equal compartments
with a paperboard divider. To each compartment, 200 g of natural soil were added with
the soil WHCmax adjusted to 50%. The water used to adjust soil moisture was used to
add the formulations at the concentrations mentioned. On the left side, we added non-
contaminated soil (control), while on the right side, we placed soil spiked with different
concentrations of unloaded LN and loaded LN with LC (LN–LC) dispersions, as well as the
AI LC. The concentrations tested range included 0, 7, 10, 14, 20, and 28 g LC ha−1 (based on
the dose of LC recommended in the commercial formulation Karate+, Syngenta), and the
concentrations of unloaded LN were based on the amount of solid lipid (SL) used in the
synthesis range that included 0, 150, 210, 300, 480, and 660 g SL ha−1. The concentrations
of all LN constituents (lipids and surfactants) were the same for unloaded and loaded LN
with LC. The control group was moistened only with deionized water and tested in five
replicates, while four replicates were tested per concentration for the contaminated soils.
After preparing all replicates, 10 adult earthworms (300–600 mg) were placed between both
compartments. Boxes were covered with a perforated cap and maintained for 48 h in the
same conditions (Section 2.2.3), without adding food. After 48 h of exposure, the number
of earthworms on each side (control and treatments) of the boxes was counted, and the
average avoidance percentage was calculated.

The reproduction test with E. fetida followed the standard OECD 222 protocol [23]. Be-
fore the assay, clitellate adult oligochaetes (300–600 mg) were acclimatized in the natural soil
used in this study, for 48 h, under the same culture maintenance conditions (Section 2.2.3).
The test was conducted in plastic containers with 500 g of natural soil homogenized, with
deionized water (control group) and with the nanoformulation at the concentrations 0, 7,
10, 14, 20, and 28 g LC ha−1, based on the dose of LC recommended in the commercial
formulation. The formulations tested were LC AI dispersed in DMSO at 5% (v/v), unloaded
LN, and LC-loaded LN (LN–LC) dispersions. The concentrations of unloaded LN were
based on the amount of solid lipid (SL) used in the synthesis range that included 0, 150,
210, 300, 480, and 660 g SL ha−1. The concentrations of all LN constituents (lipids and
surfactants) were the same for unloaded and loaded LN. The effect of DMSO at 5% (v/v) was
also tested. The soil WHCmax was adjusted to 50%. The water used to adjust soil moisture
was used to add the formulations at the concentrations mentioned. Ten oligochaetes with
clitellum were added to each container and kept for 56 days. Each concentration was tested
in quadruplicate, while the control group was tested in quintuplicate. After 28 days of
exposure, the adults were removed and counted, and the test was extended for a further
28 days to allow the juveniles to grow. At the end of the test (56 days), the juveniles were
extracted from the soil with heat, in a water bath (60 ◦C for 15 min), and the number of
juveniles per replicate was counted.

2.2.4. Assessments of LN–LC Safety to Soil Microbial Parameters

The collected natural soil was sieved at 2 mm. The stock solution of the formulations
was diluted at different concentrations in the amount of water required to adjust the
WHCmax to 80% and maintained for 15 days, at 20 ± 2 ◦C, and for a photoperiod of
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16hL:8hD. The moisture of the control group was adjusted only with deionized water.
During this period, the soil was weighted every 3 days, and the moisture was adjusted
with deionized water when necessary. After 15 days of exposure, for each replicate (both
control and contaminated soils), 3 sub-replicates were prepared by transferring 1 g of soil
to individual Falcon tubes, which were stored at −20 ◦C for a maximum of 1 month.

The pH variation in soil due to the presence of contaminants can affect the behavior
of the soil microbial community and, consequently, its biological activity. Thus, after
incubation, the pH of the control soil and of the soils treated with the highest concentrations
tested was again checked in a suspension in KCl (1 M) [16].

For the assessment of soil microbial parameters, changes in the activity of the enzymes
dehydrogenase, acid phosphatase, arylsulfatase, carboximetil cellulase (CM-cellulase), and
urease were measured. In addition, the potential nitrification and nitrogen mineralization
were also evaluated.

For the analysis of dehydrogenase activity [24], soil samples were incubated at 40 ◦C,
for 24 h, with a solution of triphenyltetrazolium chloride (TTC) (10g L−1) in Tris buffer
0.1 M at a pH of 7.6, while the blank tubes were incubated only with Tris buffer 0.1 M
at a pH of 7.6. The triphenylformazan (TPF), which is produced by the reduction of
TTC, was extracted with acetone, forming a pink-colored complex. The absorbance was
then measured spectrophotometrically at 546 nm. The dehydrogenase enzymes’ activity
was determined from a standard curve obtained for TPF in acetone and expressed in
µg TPF g−1dm (% dry matter) h−1.

For the acid phosphatase enzyme [25], soil samples were incubated at 37 ◦C for 1 h with
p-nitrophenylphosphate solution (115 mM) in standard buffer at pH 6.5. The blank tubes
were incubated only with standard buffer at a pH of 6.5. The p-nitrophenol (pNP) released by
the phosphomonoesterase activity was extracted with sodium hydroxide (0.5 M), forming a
yellow complex, which was measured at 405 nm. The acid phosphatase enzyme activity was
determined from a standard curve and expressed in µg pNP g−1dm h−1.

For arylsulfatase enzyme analysis [26], soil samples were incubated at 37 ◦C for 1 h
with a p-nitrophenylsulfate solution (0.02 M) in acetate buffer 0.5 M at a pH of 5.8. The
blank tubes were incubated only with sodium acetate trihydrate buffer (0.5 M) at a pH of
5.8. The nitrophenol (pNP) released by the arylsulfatase activity was extracted by NaOH
0.5 M resulting in a yellow-colored complex, which was measured at 420 nm. The activity
of the arylsulfatase enzyme was determined from a standard curve and expressed in
µg pNP g−1dm h−1.

For the analysis of the carboximetil cellulase (CM-cellulase) [27], using carboxymethyl
cellulose as the substrate (0.7% w/v), the soil samples were incubated for 24 h at 50 ◦C and a
pH of 5.5. The blank tubes were incubated only with acetate buffer (2M) at a pH of 5.5. The
reducing sugars produced during the incubation period caused the reduction of potassium
hexacyanoferrate (III) to potassium hexacyanoferrate (II) in an alkaline solution. The latter
compound reacted with ferric ammonium sulfate in an acid solution to form a blue-colored
ferric hexacyanoferrate (II) complex, which was measured at 690 nm. The activity of the CM-
cellulase enzyme was calculated from a standard curve obtained for defined concentrations
of glucose, in aqueous solution, and expressed in µg glucose (GLU) g−1dm 24 h−1.

For the analysis of the urease enzyme activity [28], the soil samples were incubated
at 37 ◦C, for 2 h, with a borate buffer 0.1 M at pH 10 and a solution of urea (720 mM) in
the same buffer. The blank tubes were incubated only with borate buffer solution (0.1 M;
pH 10). The ammonia released by the enzyme activity was extracted with KCl 2 M, forming
a green-colored complex, which was measured at 690 nm. The activity of the urease enzyme
was calculated from a standard curve, using defined concentrations of NH4

+, in aqueous
solution, and expressed in µg NH4

+ g−1dm 2h−1.
For the evaluation of the nitrification potential [29], soil samples were incubated at

25 ◦C, under in an orbital shaker, and the blanks were incubated at −20 ◦C for 5 h, with
ammonium sulfate (NH4)2SO4 1 mM as the substrate and NaCl 1.5 M. The nitrite released
by the enzyme activity was extracted with KCl 2 M, forming a pink-colored complex,
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which was measured at 502 nm. The nitrification was determined from a standard curve,
using defined concentrations of NO2 in aqueous solution, and expressed in ng of nitrite
NO2

− g−1dm 5h−1.
For the evaluation of nitrogen mineralization [30], soil samples and the blanks were

incubated at 40 ◦C for 7 days, with deionized water. In this process, the organic forms
of N were metabolized into inorganic N forms, such as NH4

+, which were determined
after the extraction with KCl 2 M. After the reaction of ammonia with sodium salicylate
and sodium nitroprusside in the presence of sodium dichloroisocyanurate, a green-colored
complex was formed and measured spectrophotometrically at 690 nm. The mineralization
of nitrogen was determined from a standard curve, using defined concentrations of NH4

+,
in aqueous solution, and expressed as µg NH4

+ g−1dm d−1.

2.3. Statistical Analysis

All statistical procedures were performed by using Prism version 8.0.2 (263), created
by GraphPad Software (San Diego, California, USA). For all the endpoints, data were
expressed as mean values ± standard deviation (SD). Regarding hypothesis testing, the
data obtained for the average particle size, PI, and ZP of nanoformulations were tested for
significant differences between storage periods (30, 90, and 120 days) and time 0 (day of
the production) for LN or LN–LC and between unloaded LN and loaded LN–LC, within
the same storage period by analysis of variance (two-way ANOVA), with subsequent
post hoc comparison, using Tukey’s test. The analysis of the effects on plants growth
endpoints (S. lycopersicum and Z. mays), on reproduction of the soil invertebrates (E. fetida
and F. candida), and on soil microbial parameters was performed by analysis of variance
(ANOVA), followed by a Dunnett multi-comparison test to check for differences from the
control group (CTL). Whenever ANOVA assumptions were not met, a non-parametric
Kruskal–Wallis test, followed by a Dunn’s multi-comparison test, was performed. For
the avoidance test with E. fetida, Fisher’s exact test was performed by using GraphPad
online software (https://www.graphpad.com/quickcalcs/contingency1.cfm, accessed on:
20 June 2022) to test for no avoidance between soils. The variations in the pH value were
calculated by analysis of variance (ANOVA), followed by a Dunnett multi-comparison test
to check for differences with the control group (CTL). Statistically significant differences
were considered for a significance level α = 0.05.

3. Results and Discussions
3.1. Physicochemical Characterization of LN

Synthesized LN were evaluated with respect to their average particle size (nm), PI,
and ZP (mV), which are essential physicochemical parameters that are necessary in order
to obtain information concerning the appearance, consistency, and stability of colloidal
systems [31]. The measurements of unloaded and loaded LN (LN–LC) were performed
immediately after production and 30, 60, and 120 days of storage in the dark, at 25 ◦C
(Figure 1).

Initially, the average particle size values of unloaded LN were 175.4 ± 2.6 nm and
showed no significant variation over the period (120 days) (p > 0.05) (Figure 1A). The
encapsulation of LC in LN resulted in a significant decrease (p < 0.05; F (9, 18) = 91.50) in
the average particle size to165.4 ± 2.343 nm; this may indicate that LC, by having a high
hydrophobic character, has great affinity with the lipid matrix, thus providing a greater
homogenization of all constituents that compose the LN structure (Figure 1A). Similarly, to
unloaded LN, the average particle size of LN–LC remains in the same range for 120 days,
thus indicating no tendency to form aggregation and the high stability of LN after LC
encapsulation when stored at 25 ◦C.

Regarding particle size distribution, immediately after production (day 0), unloaded
LN formulations showed low PI values (0.293 ± 0.006) and were not significantly affected
after LC encapsulation (PI = 0.264 ± 0.012) (p > 0.05; F (9, 18) = 10.19) (Figure 1B). Over
the 120 days, the PI values decreased significantly for both formulations LN and LN–
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LC, when compared with day 0 (p < 0.05; F (9, 20) = 10.12) (Figure 1B)). The PI values
of formulations were all lower than 0.3, which indicates that LN formed homogeneous
suspensions [32]. The ZP values represent the electrical charge at the nanoparticle surface,
as well as the degree of repulsion between similarly charged particles which avoids the
occurrence of particle aggregation [33]. After synthesis, the ZP values of unloaded LN were
−50 ± 1.52 mV (Figure 1C). However, after LC encapsulation, the ZP values decreased to
−38.7 ± 0.954 mV (Figure 1C), which indicates that an amount of the insecticide could
be located on the LN surface, and thus influencing the surface charge of nanoparticles
(p < 0.05; F (9, 20) = 70.99). Nevertheless, In the present study, all ZP values recorded were
above |30 mv|, which is an indicator of higher electrostatic repulsion between particles,
providing a greater colloidal stability over time [34].
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Figure 1. Average particle size (nm) (a), polydispersity index (PI) (b) and ZP (mV) (c) of synthesized LN, monitored 
at 25°C immediately after synthesis (0 days) and after 30, 90 and 120 days of storage. Results are expressed as mean 
± SD (n=3). Significant differences between 0 days and other periods for the same LN are represented by (*), p < 
0.05 (ANOVA followed by Tukey test). Significant differences between unloaded LN and LN loaded with LC for 
the same period are represented by (**), p < 0.05 (Two-way ANOVA followed by Tukey test). 

 

Figure 1. Average particle size (nm) (A), polydispersity index (PI) (B), and ZP (mV) (C) of synthesized
LN, monitored at 25 ◦C immediately after synthesis (0 days) and after 30, 90, and 120 days of storage.
Results are expressed as mean ± SD (n = 3). Significant differences between 0 days and other periods
for the same LN are represented by (*), p < 0.05 (ANOVA followed by Tukey test). Significant
differences between unloaded LN and LN loaded with LC for the same period are represented by
(**), p < 0.05 (two-way ANOVA, followed by Tukey’s test).

The interaction of LC and LN was investigated by using the evaluation of entrapment
efficiency (EE). Since LC is considered a poorly aqueous soluble compound (solubility in
water = 0.005 mg L−1 at 20 ◦C), LN are suitable nanocarriers for LC encapsulation, showing
a %EE of 98.44 ± 0.04. The high %EE can be attributed to the reduced particle size of
synthesized LN and to the presence of liquid lipid (Capryol 90) in the LN structure, as this
can favor the solubility of LC in the melted lipid matrix, as well as the formation of LN
with a more amorphous structure to improve the LC entrapment. Thus, the synthesized LN
showed good properties regarding average particle size, homogeneity, and surface charge,
demonstrating that LN are excellent systems for LC encapsulation.
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3.2. Assessment of LN Environmental Safety

NPest have been widely developed in recent years. However, knowledge about their
fate and environmental effects is very limited, and it is still unclear whether NPest will result
in significant benefits over conventional products. From the point of view of study design
and correct interpretation of results, the data relating to the safety of developed NPest is
still unclear, and, thus, this present study tries to fill this gap, at least for LC-loaded LN.

The effect of nanoformulations loaded with LC was evaluated by using a mono-
cotyledonous plant, Z. mays, and a dicotyledonous plant, S. lycopersicum. According to
the results, no statistically significant differences were recorded on the fresh biomass
of the shoots (p > 0.05; F (12, 50) = 1.210) and roots (p > 0.05); F (12, 50) = 0.9060) of
S. lycopersicum (Figure 2a,b); moreover, no significant differences were recorded on the
fresh biomass of the shoots (p > 0.05) and roots (p > 0.05; F (12, 50) = 1.230) of Z. mays
(Figure 3a,b) after exposure to increasing concentrations of LC and LN–LC by foliar appli-
cation when compared to the control group. Thus, LN–LC demonstrated itself to be safe
for the plants selected in this study. However, LC negatively affected the dry biomass of
the roots of S. lycopersicum (LOEC = 28 g LC ha−1, NOEC = 20 g LC ha−1; p < 0.05; Kruskal–
Wallis statistics value = 21.44), as indicated in Figure 2d, while LC stimulated Z. mays root
length at 20 g LC ha−1 (p < 0.05; F (12, 302) = 5.01) (Figure 3e). No statistically differences
were recorded for both species after exposure to DMSO at 5% (v/v) in comparison with the
control group (data not shown).

Plants’ growth and development depend on their adaptation to a constantly changing
abiotic environment, as well as their contact with pesticide residues present in soil [35].
Although there are several works about the effect of nanomaterials on plants, the most are
related to metallic/inorganic nanomaterials [36,37], and, to the best of our knowledge, no
data on LN phytotoxicity exist.

Concerning the LC effects on terrestrial plants, the data are also scarce and depend
on the plant species. In our study, dicotyledonous species appeared to be more sensi-
tive than monocotyledonous species were to LC exposure, and, in the same way, the
development of roots was more affected than the that of the shoots. However, a com-
parative study conducted by Bragança et al. (2018) to evaluate the effects of pyrethroids
(0 to 500 µg kg−1

soil) on Cucumis sativa showed that LC was not toxic to plants, while
cypermethrin decreased the shoot length (50 to 500 µg kg−1

soil) compared to the control
group [38]. This is in agreement with our results, since the maximum concentration tested
for LC was 28 g LC ha−1 (which corresponded to 133 µg kg−1

soil). On the contrary, Liu et al.
(2009) showed that the application of the insecticide cypermethrin tested at concentrations
ranging from 0 to 64 mg kg−1

soil (0–13 kg LC ha−1) reduced the root elongation (mm) of
Pakchoi (Chinese cabbage) [39] [However, the maximum concentration of LC tested by
these authors (13 kg LC ha−1) is much higher than those we tested and seemed to be well
above recommended application doses.

Regarding the avoidance test with E. fetida, the results revealed that oligochaetes
did not avoid LC contaminated soil (Figure 4a). Contrarily, the earthworms significantly
avoided LN–LC contaminated soil at the highest doses (20 and 28 g LC ha−1) (p < 0.05)
(Figure 4c): LOEC 20 g LC ha−1 and NOEC 14 g LC ha−1) and significantly avoided LN
contaminated soil at 150 and 480 g SL ha−1 (p < 0.05) (Figure 4b) compared to control
soil. However, a maximum avoidance percentage of 75% was only recorded for the dose
20 g LC ha−1 when the active ingredient was encapsulated (LN–LC), which means that
the habitat function of these soils was not compromised (<80% avoidance) even for the
highest concentration tested (Figure 4c). Although the avoidance behavior is usually
interpreted as a negative response, the results obtained in our study allow to conclude
that these invertebrates may be less exposed to LC when it is encapsulated in LN, as
somehow LN may be promoting an avoidance behavior, letting them to escape from a
higher exposure level.
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Figure 2. Variation of fresh biomass of shoots and roots (a,b), dry biomass of shoots, and roots
(c,d) and length (e) of roots of S. lycopersicum after exposure to LC (light) and LN–LC (dark). The
concentrations tested are based on the amount of LC. Results are represented by mean ± SD values.
Asterisks mark the significant differences compared to the control group (0 g LC ha−1) ((a,b) p < 0.05,
Dunnett; (c–e) p < 0.05, Dunn’s).

In addition, these findings may indicate that, despite detecting the presence of LC,
the earthworms behavior did not appear to be affected by the concentrations tested or
these concentrations may have inhibited the response ability of the organisms to the
insecticide, leading to muscle paralysis, inconsistent movements, or the absence of sensorial
detection [40].

Despite the avoidance results, the reproduction tests with E. fetida were not affected
by the presence of LN (p > 0.05; F (5, 19) = 1.054) and LN–LC (p > 0.05; F (5, 19) = 1.643)
after 56 days of exposure to increasing concentrations when compared to the control group
(Figure 5b,c), and no statistical differences were recorded after exposure to DMSO at 5% (v/v)
(data not shown). Although there are no data regarding the effect of LN on oligochaetes,
for comparison, and despite being a work where a surfactant was tested, a study conducted
by Gavina et al. (2016) showed that the earthworms Eisenia andrei significantly avoided
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the contaminated soil with nanovesicles made from the anionic surfactant sodium dodecyl
sulphate and the cationic lipid didodecyl dimethylammonium bromide (SDS/DDAB),
while the reproduction of the same invertebrates was not affected, probably by the rapid
degradation of the vesicles in the soil [41]. Since the nanoparticles in the present study were
produced by using lipids, it is possible that, initially, the earthworms were affected by their
presence, but along the time, these LN can be (bio)degraded, and the soil habitat function
can be restored. The reproduction of E. fetida was not also significantly affected by LC as
shown in Figure 5a and the survival of adult earthworms was not affected when exposed
to LN and LC (data not shown) at the concentrations tested. However, there are studies
that state that LC is very toxic to E. fetida due to the high cutaneous absorption of these
compounds by earthworms (LC50 from 1055 to 2570 g ha−1) [42], but these concentrations
are higher than those tested in our study, which are likely more ecologically relevant, as
they are close to the application dose. 

2 

 Figure 3. Variation of fresh biomass of shoots and roots (a,b), dry biomass of shoots and roots (c,d),
and length (e) of roots of Z. mays after exposure to LC (light) and LN–LC (dark). The concentrations
tested are based on the amount of LC. Results are represented by mean ± SD values. Asterisks mark
the significant differences compared to the control group (0 g LC ha−1): (a,c,e) p < 0.05, Dunnett;
(b,d) p < 0.05, Dunn’s.
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Figure 4. Percentage avoidance of E. fetida after exposure to different concentrations of LC (a), LN (b) and LN-LC 
(c). The concentrations tested are based on the amount of LC. In the case of LN, the concentrations indicated are of 
solid lipid (SL) used in the synthesis of LN. The same concentrations of SL were tested for LN-LC. Results are 
represented by mean ± SD values. Asterisks marks significant differences compared to the control group (0 g LC 
or LS ha-1) (p < 0.05, Fisher´s test). 

  

Figure 4. Percentage avoidance of E. fetida after exposure to different concentrations of LC (a), LN,
(b) and LN–LC (c). The concentrations tested are based on the amount of LC. In the case of LN, the
concentrations indicated are of solid lipid (SL) used in the synthesis of LN. The same concentrations of
SL were tested for LN–LC. Results are represented by mean ± SD values. Asterisks mark significant
differences compared to the control group (0 g LC or LS ha−1) (p < 0.05, Fisher´s test).
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Figure 5. E. fetida juveniles after exposure to different concentrations of LC (a), LN (b) and LN-LC (c). The 
concentrations tested are based on the amount of LC. In the case of LN, the concentrations indicated are of solid 
lipid (SL) used in the synthesis of LN. The same concentrations of SL were tested for LN-LC. Results are 
represented by mean ± SD values (p < 0.05, Dunnett).  

 

  

Figure 5. E. fetida juveniles after the exposure of adults to different concentrations of LC (a), LN
(b) and LN–LC (c). The concentrations tested are based on the amount of LC. In the case of LN, the
concentrations indicated are of solid lipid (SL) used in the synthesis of LN. The same concentrations
of SL were tested for LN–LC. Results are represented by mean ± SD values (p < 0.05, Dunnett).

According to the results, the reproduction of F. candida was significantly affected
only by the presence of LC (p < 0.05; F (5, 24) = 5.903) at all the concentrations tested, as
illustrated in Figure 6a (NOEC < 7g LC ha−1, LOEC ≤ 7 g LC ha−1), while LN (p > 0.05;
F (5, 24) = 0.7850) and LN–LC (p > 0.05; F (5, 24) = 0.8134) did not affect the reproduction
of collembola (Figure 6b,c). In fact, the encapsulation of LC in LN decreased the toxicity
of LC after 56 days of exposure to increasing concentrations of the insecticide (Figure 6c).
The survival of adult springtails was not affected when exposed to LN and LC (data not
shown), and as expected, the reproduction of F. candida was more sensitive than mortality
to insecticide application. No statistical differences were recorded after the exposure of
invertebrates to DMSO at 5% (v/v) (data not shown).

Soil microbiological and biochemical parameters are essential indicators of microor-
ganism metabolism and function, nutrient cycling, and soil contamination [43]. Some
studies have reported that the soil microbial community can be significantly compromised
upon exposure to nanomaterials [44]. However, these studies were conducted to under-
stand the impact on soil microbial community of metal/metal oxide nanomaterials [45]
and polymeric nanoparticles [46].
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Figure 6. F. candida juveniles after exposure to different concentrations of LC (a), LN (b) and LN-LC (c). The 
concentrations tested are based on the concentration of LC in the commercial formulation. In the case of LN, the 
concentrations indicated are of solid lipid (SL) used in the synthesis of LN. The same concentrations of SL were 
tested for LN-LC. Results are represented by mean ± SD values. Asterisks mark the significant differences 
compared to the control group (0 g LC ha-1) (p < 0.05, Dunnett). 

  

Figure 6. F. candida juveniles after the exposure of adults to different concentrations of LC (a), LN (b),
and LN–LC (c). The concentrations tested are based on the concentration of LC in the commercial
formulation. In the case of LN, the concentrations indicated are of solid lipid (SL) used in the synthesis
of LN. The same concentrations of SL were tested for LN–LC. Results are represented by mean ± SD
values. Asterisks mark the significant differences compared to the control group (0 g LC ha−1)
(p < 0.05, Dunnett).

In the present study, the effect of formulations was also evaluated in soil microbial
activity through the analysis of enzymatic activities, N mineralization, and potential ni-
trification. As far as authors are aware, the present work is the first study gathering data
concerning the effect of LC and LN on the soil microbial community. Since the soil physic-
ochemical properties can influence the activity of soil enzymes, the pH was evaluated
after the incubation of soil with different formulations, namely LC, LN, and LN–LC, and
the results are presented in Table 2. The pH results demonstrated that the unloaded LN
significantly increased the pH value of the soil (p < 0.05; F (2, 6) = 10.50), and the LC-loaded
LN significantly decreased the pH of the soil (p < 0.05; F (2, 6) = 35.00).

Table 2. Average pH values determined for the natural soil containing the different formulations of
lambda-cyhalothrin (LC) at the concentration of 28 g LC ha−1 after 15 days of incubation. Results are
represented by mean values ± standard deviation (SD) (n = 3).

pH (KCl, 1M)
pH Values for the Natural Soil

Control soil Soil containing LC Soil containing LN

pH (KCl, 1M)
4.59 ± 0.006 4.61 ± 0.010 4.64 * ± 0.006

Control soil Soil containing LN–LC

4.69 ± 0.006 4.67 * ± 0.012
* Significance α = 0.05, compared with respective control soil.

A study has shown that pesticides exhibit inhibitory effects on dehydrogenase en-
zymes’ activity [46]. The dehydrogenases are involved in cellular respiration and are
considered an indicator of overall microbial metabolic activity. Furthermore, the dehydro-
genases have a relevant role in the oxidation of organic matter, with their activity being an
excellent parameter for assessing the effect of NPest on the soil microbial community [47].
According to the obtained results, LC did not affect dehydrogenase activity for all con-
centrations tested (p > 0.05; F (10, 108) = 19.01) (Table 3 and Supplementary Figure S1a),
while loaded LN with LC (p < 0.05; F (10, 24) = 16.34) significantly reduced the activity
of dehydrogenase at highest concentrations compared to the control group (Table 3 and
Supplementary Figure S1c). Unloaded LN significantly stimulated the activity at 210 and
300 g SL ha−1 and significantly inhibited the activity at the highest concentration tested
(p < 0.05; F (10, 108) = 19.01) (Table 3 and Supplementary Figure S1b). Thus, our study
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suggests that, as nanoparticles are composed of lipids, at high concentrations, these lipids
may promote the occlusion of soil pores [48]. The occlusion of soil pores can reduce soil
oxygenation, decreasing the microbial population and, therefore, decreasing the activity of
dehydrogenases at the highest concentrations tested (28 g LC ha−1/660 g SL ha−1) (Table 3
and Supplementary Figure S1b,c, respectively).

Table 3. Soil microbial parameters. Enzymatic activity of dehydrogenase, CM-cellulase, urease,
arylsulfatase, and acid-phosphatase after exposure to different concentration of LC, LN, and LN–LC.
The concentrations tested are based on the amount of LC. In the case of LN, the concentrations
indicated are of solid lipid (SL) used in the synthesis of LN. Results are represented by mean ± SD
values. The same concentrations of SL were tested for LN–LC. Asterisks mark the significant
differences in relation to the control group (0 g LC ha−1).

Soil Microbial Parameters

Dehydrogenase
(µg TPF g−1dm h−1)

CM-Cellulase
(µg GLU g−1dm 24 h−1)

Urease
(µg NH4

+ g−1dm 2 h−1)
Arylsulfatase

(µg pNP g−1dm h−1)

Acid
Phosphatase

(µg pNP g−1dm h−1)

LC (g LC ha−1)

0 0.71 ± 0.24 107.90 ± 33.28 0.99 ± 0.74 84.57 ± 10.89 234.19 ± 22.34

7 0.62 ± 0.24 128.27 ± 64.39 1.08 ± 0.94 88.69 ± 14.70 225.16 ± 10. 99

10 0.82 ± 0.28 116.05 ± 52.04 1.37 ± 0.80 87.04 ± 8.50 231.52 ± 17.59

14 0.65 ± 0.35 105.57 ± 37.94 3.03 ± 1.54 82.87 ± 6.75 158.41 * ± 59.82

20 0.73 ± 0.16 94.83 ± 106.75 1.93 ± 2.22 90.57 ± 20.78 179.46 * ± 47.73

28 0.83 ± 0.24 137.56 ± 31.04 1.85 ± 1.42 87.86 ± 8.00 159.38 * ± 34.37

LN (g SL ha−1)

0 0.71 ± 0.24 107. 90 ± 33.28 0.99 ± 0.74 84.57 ± 10.90 234.19 ± 22.34

150 0.38 ± 0.25 118.48 ± 38.01 1.81 ± 1.14 74.42 ± 7.00 145.39 * ± 38.61

210 1.68 * ± 0.38 82.83 ± 28.80 1.25 ± 0.80 76.17 ± 8.76 142.83 * ± 44.58

300 1.75 * ± 0.36 74.50 ± 35.41 1.62 ± 1.30 76.74 ± 9.60 147.80 * ± 36.68

480 0.48 ± 0.22 103.75 ± 42.01 2.74 * ± 1.34 72.56* ± 11.33 138.05 * ± 52.47

660 0.33 * ± 0.20 136.13 ± 76.44 5.86 * ± 2.90 75.24 ± 7.33 157.91 * ± 45.49

LN–LC
(g LC ha−1)

0 2.16 ± 0.83 63.99 ± 27.73 4.92 ± 0.50 109.07 ± 22.63 234.06 ± 18.67

7 1.74 ± 0.62 71.65 ± 48.31 3.22 ± 0.43 92.38 ± 13.04 227.93 ± 14.64

10 1.71 ± 0.64 99.73 ± 50.14 8.03 * ± 2.11 106.05 ± 17.68 229.61 ± 15.81

14 1.71 ± 0.48 149.98 * ± 45.90 8.91 * ± 1.52 114.85 ± 18.86 224.07 ± 12.68

20 1.33 ± 0.58 107.49 ± 45.92 7.61 * ± 1.92 86.41 * ± 12.30 210.37 * ± 18.85

28 1.21 * ± 0.36 121.39 * ± 41.45 6.00 ± 1.20 78.01 * ± 15.53 190.02 * ± 34.93

Regarding the enzymatic activity of CM-cellulase, it was found that the LC and
unloaded LN did not significantly affect the enzyme activity, as shown in Table 3 and Sup-
plementary Figure S2a,b, respectively (p > 0.05). However, after LC encapsulation in LN, an
increase in this enzyme activity was observed being statistically significant at concentrations
of 14 and 28 g LC ha−1 was observed, as indicated in Table 3 and Supplementary Figure
S2c (p < 0.05; F (10, 24) = 5.925). The reason for an increase in the CM-cellulase activity
after LN–LC could probably be due to the presence of the organic compound TegoCare 450,
which can act as a glucose source since glucose is part of TegoCare constitution. Although
this phenomenon was not observed for single LN, in some way, LC could have modified
the LN structure, increasing the bioavailability of glucose from TegoCare. In other words,
this would not be an increase in activity, but rather a quantification of glucose that did not
result from the enzyme activity per se but rather from the LN themselves.

According to the enzymatic activity of urease, LN–LC significantly increased the
enzyme activity compared to the control at 10, 14, and 20 g LC ha−1 (p < 0.05; Kruskal–
Wallis statistics value = 68.29) (Table 3 and Supplementary Figure S3c). LN significantly
increased the enzyme activity compared to the control at 480 and 660 g SL ha−1. However,
the inhibition of urease enzyme in relation to LC (10 g LC ha−1) may have occurred by
chance (p < 0.05; Kruskal–Wallis statistics value = 46.26) (Table 3 and Supplementary
Figure S3a,b).
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For arylsulfatase enzyme activity, it was observed that LN–LC caused a significant
decrease in the activity compared to the control at the highest doses (20 and 28 g LC ha−1)
(p < 0.05; F (10.124) = 4.161) (Table 3 and Supplementary Figure S4c). The reduction in
activity caused by the dose of 20 g LC ha−1 is in line with the significant reduction caused
by unloaded LN compared with the control (p < 0.05; F (10, 124) = 4.904) (Table 3 and
Supplementary Figure S4b). The activity of arylsulfatases increases with the decreasing
of S in soil [49], and their activity can be affected by the presence of contaminants, pH
changes, and organic matter content [50]. As shown in Table 2, after the addition of LN–LC,
there was a significant increase of pH when compared with the control soil, and, thus, the
pH change—although small—favored by the presence of LN–LC could have affected the
arylsulfatase activity.

However, so far, there are no scientific reports evidencing the effect of LC and LN on
the enzymatic activity of arylsulfatase.

Regarding acid phosphatase enzyme activity, LC at doses of 14 to 28 g LC ha−1 (Table 3
and Supplementary Figure S5a) induced a significant reduction in enzyme activity com-
pared to the control group. LN significantly decreased the enzyme activity compared to
the control at all concentrations tested (Table 3 and Supplementary Figure S5b) (p < 0.05;
Kruskal–Wallis statistics value = 71.23), while LN–LC caused a significant decrease only at
the highest doses, as illustrated by Supplementary Figure S5c) (p < 0.05; Kruskal–Wallis
statistics value = 39.41). Phosphatases are produced in soil when the concentration of phos-
phorus decreases and alkaline soil can favor the availability of this element [51]. According
to Nannipieri et al. (1982), acid phosphatases can be inhibited by high concentrations of
protons due to the ionization of specific groups of enzymes [52]. Therefore, since the soil
pH is low (~4.61 ± 0.010 for LC), in the acidic medium, the amino groups of LC may be
protonated (pka > 9), and the insecticide becomes positively charged [53]. For this reason,
the inhibition of enzyme activity by LC at the highest concentrations can be related to
the presence of protonated LC. In addition, and likely more relevant for explaining the
inhibition of the acid phosphatase activity by LN and LN–LC, another phenomenon can
be involved. LN are produced also by using soy lecithin that is a phospholipid, which
could have been metabolized as a phosphorus source, thus increasing P element in soil and
leading to an inhibition of acid phosphatase activity after the addition of LN.

The data obtained for nitrogen mineralization indicated that there were no inhibitory
effects for all formulations tested, as shown in Figure 7. In opposition, LN at the highest
concentration (p < 0.05; Kruskal–Wallis statistics value = 56.00) and LN–LC at intermediate
concentrations significantly increased (p < 0.05; F (10, 124) = 12.54) the mineralization
of nitrogen (Figure 7b,c). To date, there are no scientific reports that show the effect
of LC and LN on nitrogen mineralization. However, these findings may indicate that
this significant stimulation may have resulted from the composition of synthesized LN,
since it has soy lecithin (rich in nitrogen) in its composition. When mineralization occurs,
there is an increase in ammonia that will be converted to nitrites and nitrate through the
nitrification process.

Although an increase of nitrogen mineralization was observed, LN–LC caused an
inhibition of the potential nitrification, especially at the highest concentrations, as shown in
Figure 8c (p < 0.05; F (10, 116) = 16.11). It is well-known that ammonia oxidizing bacteria
are highly sensitive to changing environmental conditions, and, thus, it is possible that the
changes in soil pH favored the inhibition of the enzymes responsible for the nitrification
process (Table 2) [54]. Therefore, a decrease in pH values, although smaller, may have
resulted in the inhibition of the potential nitrification.

The LN–LC affected the activity of the microbial community, especially the metabolism
of nitrogen, sulfur, and phosphorus; and apart from the activity of phosphatases, the effects
seem to result mainly from the LN and not from the insecticide LC. The effects observed do
not indicate a negative impact on the microbial community, except for that suggested by the
inhibition of dehydrogenase at the highest concentration; rather, they are likely indicators
of the availability of P and N by the presence of LN.
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Figure 7. Nitrogen mineralization activity in soils exposed for 15 days to different concentrations of LC (a), LN (b) 
and LN-LC (c). The concentrations tested are based on the amount of LC. In the case of LN, the concentrations 
indicated are of solid lipid (SL) used in the synthesis of LN. The same concentrations of SL were tested for LN-LC. 
Results are represented by mean ± SD values. Asterisks mark the significant differences in relation to the control 
group (0 g LC ha-1) ((c) p < 0.05, Dunnett; (a) and (b) p < 0.05, Dunn’s). 
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Figure 8. Nitrification potential activity in soils exposed for 15 days to different concentrations of LC (a), LN (b) 
and LN-LC (c). The concentrations tested are based on the amount of LC. In the case of LN, the concentrations 
indicated are of solid lipid (SL) used in the synthesis of LN. The same concentrations of SL were tested for LN-LC. 
Results are represented by mean ± SD values. Asterisks mark the significant differences in relation to the control 
group (0 g LC ha-1) (p < 0,05, Dunnett). 

 

Figure 8. Nitrification potential activity in soils exposed for 15 days to different concentrations of
LC (a), LN (b), and LN–LC (c). The concentrations tested are based on the amount of LC. In the case
of LN, the concentrations indicated are of solid lipid (SL) used in the synthesis of LN. The same
concentrations of SL were tested for LN–LC. Results are represented by mean ± SD values. Asterisks
mark the significant differences in relation to the control group (0 g LC ha−1) (p < 0,05, Dunnett).

4. Conclusions

Nanoparticles composed of physiological lipids (LN) have been proposed as promi-
nent nanocarriers for LC delivery in agriculture practices, being successfully produced
with a mean particle size of 165.4 ± 2.343 nm, narrow size distribution, and good physical
stability for at least 4 months, at 25 ◦C. In addition, the high %EE values (98.44 ± 0.04%)
indicate the excellent compatibility of LC and the lipid matrix of LN.

Regarding the environmental safety studies, LN showed no risk to the growth of
S. lycopersicum and Z. mays species, as well as to the survival and reproduction of the
soil invertebrates F. candida and E. fetida. However, the earthworms were sensitive to the
presence of LN and LN–LC, avoiding its presence at least in the first 48 h of contact. This
probably happened due to the lipid composition of both nanoparticles which has favored
the interaction with cuticular sensorial cells. This avoiding effect is not necessarily negative,
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as it may prevent a more intensive contact of earthworms with the encapsulated insecticide;
it should be noted that the highest concentration tested for the different formulations was
higher than the application dose. Therefore, in the present study, these findings allow us
to conclude that LN may be an alternative to encapsulate LC, as no significant effects are
expected on soil biota. This was also reinforced by the long-term tests performed. These
environmentally safe concentrations of LN–LC need now to be tested for their efficacy on
target species of insects.

Supplementary Materials: https://www.mdpi.com/article/10.3390/nano12152576/s1, Figure S1:
Average dehydrogenases activity in soils exposed for 15 days to different concentrations of LC (a),
LN (b) and LN–LC (c). The concentrations tested are based on the amount of the LC. In the case
of LN, the concentrations indicated are of solid lipid (SL) used in the synthesis of LN. The same
concentrations of SL were tested for LN–LC. Results are represented by mean ± SD values. The
asterisks mark the significant differences from the control group (0 g LC ha–1) (p < 0.05, Dunnett);
Figure S2: CM–cellulase activity in soils exposed for 15 days to different concentrations of LC (a), LN
(b) and LN–LC (c). The concentrations tested are based on the amount of LC. In the case of LN, the
concentrations indicated are of solid lipid (SL) used in the synthesis of LN. The same concentrations
of SL were tested for LN–LC. Results are represented by mean ± SD values. Asterisks mark the
significant differences in relation to the control group (0 g LC ha–1) (p < 0.05, Dunnett); Figure S3:
Urease activity in soils exposed for 15 days to different concentrations of LC (a), LN (b) and LN–LC
(c). The concentrations tested are based on the amount of LC. In the case of LN, the concentrations
indicated are of solid lipid (SL) used in the synthesis of LN. The same concentrations of SL were
tested for LN–LC. Results are represented by mean ± SD values. Asterisks mark the significant
differences in relation to the control group (0 g LC ha–1) (p < 0.05, Dunn); Figure S4: Arylsulfatase
activity in soils exposed for 15 days to different concentrations of LC (a), LN (b) and LN–LC (c). The
concentrations tested are based on the amount of LC. In the case of LN, the concentrations indicated
are of solid lipid (SL) used in the synthesis of LN. The same concentrations of SL were tested for
LN–LC. Results are represented by mean ± SD values. Asterisks mark the significant differences in
relation to the control group (0 g LC ha–1) (p < 0.05, Dunnett); Figure S5: Soil acid phosphatase acid
enzymes activity in soils exposed for 15 days to different concentrations of LC (a), LN (b) and LN–LC
(c). The concentrations tested are based on the amount of LC. In the case of LN, the concentrations
indicated are of solid lipid (SL) used in the synthesis of LN. The same concentrations of SL were
tested for LN–LC. Results are represented by mean ± SD values. Asterisks mark the significant
differences in relation to the control group (0 g LC ha–1) (p < 0.05, Dunn).
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Abstract: Because of their excellent antibacterial properties, silver nanoparticles (AgNPs) are widely
used in all walks of life, which has caused them to be discharged into aquatic environments with
possible negative effects on aquatic plants. In the present study, we used an aquatic fern, Ceratopteris
thalictroides, as a model to investigate the effects of AgNPs on its spore germination, gametophytes,
sex differentiation, and growth. The results demonstrated that AgNPs significantly inhibited spore
germination of C. thalictroides at a AgNP concentration higher than 0.02 mg/L. Additionally, we found
sex-dependent effects of AgNPs on the development and growth of the gametophyte of C. thalictroides.
The proportion of hermaphrodites in the gametophytes and the area of gametophytes significantly
decreased under AgNP treatment, while no significant effect was observed in the male gametophytes.
Using the AgNP filtrate (without nanoparticles) and AgNPs plus cysteine (Ag+ chelator), we found
that the release of Ag+ from nanoparticles was not the cause of the toxicity of AgNPs on C. thalictroides.
The EC50 of AgNPs on spore germination was 0.0492 mg/L, thus indicating an ecological risk of
AgNPs on this species even at concentrations lower than the Ag element concentration of the WHO
guidelines for drinking-water quality.

Keywords: silver nanoparticles; aquatic plants; Ceratopteris thalictroides; sex-dependent response;
spore germination; aquatic fern

1. Introduction

Due to their excellent antibacterial properties, silver nanoparticles (AgNPs) are widely
used in various fields, including antibacterial coatings, medical machinery, cosmetics, cloth-
ing, food packaging, plastic products, detergent, paint, and some porous structures [1–9].
In the process of production, application, and recovery, AgNPs can be discharged into envi-
ronments in many ways. According to a survey, about 60 tons of AgNPs are discharged into
the aquatic environment each year [10]. Previous studies reported that the concentration of
AgNPs in surface water in Europe was 0.5–2 ng/L, and the content of AgNPs in the final
water of sewage-treatment plants was 32–111 ng/L. The content of AgNPs in activated
sludge was 1.3–4.4 mg/kg [11,12]. The World Health Organization (WHO) guidelines for
drinking-water quality state that the concentration of silver used to control bacteria in
drinking water is 0.1 mg/L, which does not pose a risk to human health [13]. As the use of
AgNPs increases, the content of AgNPs in water and sediment will increase, with potential
negative effects to the ecosystems.

In recent years, an increasing number of studies have confirmed the toxicity of AgNPs
to various organisms, including bacteria, algae, invertebrates, and higher plants, etc. [14–17].
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The biological toxicity mechanism of AgNPs has been debated for decades, because it was
not clear whether the toxicity comes from nanoparticles themselves or the release of Ag+

by AgNPs (Ag+
rel). Previous studies considered that the Ag+

rel might be the main cause
of the toxicity of AgNPs through the influence of AgNPs and AgNO3 on Daphnia magna
and Escherichia coli [18,19]. Due to the small particle size and large specific surface area,
the silver atoms are exposed to the outside of AgNPs, which leads to the release of more
Ag+ into the environment. However, studies on Lolium multiflorum and Spirodela polyrhiza
both indicated that the Ag+

rel may only be one reason for the toxicity of AgNPs [20,21].
Some studies showed that AgNPs absorbed by plants released Ag+ inside the cells, causing
effects [22–24]. Recent studies have shown that the root system of wheat absorbed both
the Ag+

rel and the AgNPs particles, resulting in toxic effects on wheat [25]. In vitro, Ag+
rel

can interact with thiol groups in proteins, resulting in toxicity by enzyme inactivation
or protein denaturation [26]. Although the extracellular oxidative release of Ag+ is the
main cause of AgNPs toxicity in some cells and organisms, it still does not fully explain
the toxicity mechanism of AgNPs [27–30]. Therefore, the study of the toxic mechanism
of AgNPs requires further exploration. Additionally, at present, most of the studies on
the phytotoxicology of AgNPs have focused on plant growth, but the research on their
effects on plant reproduction remains limited. To date, only a few studies have reported
that AgNPs reduce the germination rate and quality of Arabidopsis thaliana seeds [31].
AgNPs delay the bolting and flowering time of A. thaliana and affect its fruit and pod
development [32].

Ceratopteris thalictroides (L.) Brongn is a pteridophyte that grows rooted or floating in
shallow water, and is an endangered freshwater plant in China. C. thalictroides is one of the
only vascular spore-bearing homosporous model species, which produce one type of spore,
germinating into a gametophyte capable of producing both eggs and sperm. In the early
stage of fern development, the environmental conditions to which spores are exposed can
have a direct and vital impact on survival and reproduction. The main goal of the present
study is to provide information on the phytotoxicity of AgNPs on pteridophytes. In partic-
ular, this study assesses the influence of environmentally relevant concentrations of AgNP
on spore germination and the growth and development of C. thalictroides’ gametophytes.
We hypothesized that: (1) Environmentally relevant concentrations of AgNPs could inhibit
spore germination and disturb gender differentiation of C. thalictroides; (2) the particles
themselves, but not Ag+

rel, are mainly responsible for the toxicity of AgNPs.

2. Materials and Methods
2.1. Plant Material

The spores of C. thalictroides were collected from plants in the Wuhan Botanical Garden,
Chinese Academy of Sciences in November 2018 and stored at 4 ◦C, protected from light.
The shape and size of spores were observed by a scanning electron microscope (SEM,
DMi8, Leica, Germany). The specific process was as follows: spores with plump grains
were randomly selected, repeated 5 times, and photos were taken. The software Image
J (version 1.50) was used to measure spore size. The TEM image showed that the spore
of C. thalictroides was nearly round or fan-shaped, and the spore surface has periodical
ornamentation, which was formed by the uplift of the outer wall (Figure 1) and the spore
diameter was 105.68 ± 3.83 µm (Table 1). 10 mg of spores were added into 10 mL distilled
water, and the number of spores per mg was counted under microscopy. The density of
spore was obtained as follows: approximately 1 mg spores were added into 1 mL distilled
water, then a saturated sodium chloride solution was added drop by drop until the spores
were completely suspended, 1 mL solution was weighted using a balance (SQP, with an
accuracy of ±0.0001 g), and the density was calculated with three replicates. The spore
density was 1.05 ± 0.04 g/cm3, the weight of individual spore was 0.41 ± 0.03 × 10−6 mg,
and there were 2.45 ± 0.15 × 106 spores per mg. (Table 1).
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Figure 1. SEM image of spores of Ceratopteris thalictroides.

Table 1. Diameter, density, and weight of Ceratopteris thalictroides. Data represent the mean ± SD
(n = 5).

Diameter (µm) Density (g/cm3) Weight (mg) Number of Spores per Milligram

105.68 ± 3.83 1.05 ± 0.04 0.41 ± 0.03 × 10−6 2.45 ± 0.15 × 106

2.2. Characterization of AgNPs

The polyvinyl pyrrolidone (PVP) coating AgNPs stock (5030 mg/L) purchased from
NanoComposix (San Diego, CA, USA) had an average diameter of 6.3 ± 1.4 nm and was
stored at 4 ◦C, protected from light. To explore the effects of culture solution on AgNPs,
the particle size and distribution of AgNPs in pure water and 10% Hoagland’s solution
at 2.5 mg/L photomicrographs taken using a transmission electron microscope (TEM,
HT-7700) were analyzed using Image J software. Additionally, the hydrodynamic diameter,
polydispersity index (PDI), and Zeta potential of AgNPs at 5 mg/L were determined by
using a surface potential analyzer (Dynamic Light Scattering, Nano ZS ZEN3600, Malvern,
UK) in pure water and in 10% Hoagland’s solution. In the study, the PVP concentration
of the coating substance of AgNPs was 2.85 mg/mL, and the Ag+

rel was determined as
described in the previous study [26]. The measured Ag+

rel was 4.08 mg/L in 100 mg/L
AgNPs suspension, meaning that AgNPs contained ~4.1% Ag+

rel.
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2.3. Effects of AgNPs on Spore Germination and Gametophyte Differentiation in C. thalictroides

AgNPs were diluted into 0, 0.02, 0.04, 0.06, 0.08, and 0.1 mg/L with 10% Hoagland’s
solution in a step-by-step dilution method. AgNO3 was prepared by using 10% Hoagland’s
solution with concentrations of 0, 0.02, 0.03, 0.04, 0.05, and 0.06 mg/L in a step-by-step
dilution method. 5 mL AgNPs and AgNO3 solutions of each concentration were added
to the 6-well cell-culture plate (Corning 3516, Corning NY, USA), and then approximately
100 spores were dropped into each well. Each treatment had 5 replicates. The cell-culture
plates were incubated in a chamber under 16 h of light, 8 h of darkness, 25 ± 0.1 ◦C,
and 20 µmol photons m−2 s−1 photosynthetically active radiation. After 8 days, the
spore germination rate of C. thalictroides was observed and calculated under an electric
stereoscopic fluorescence microscopy (SMZ25, Nikon Corporation, Tokyo, Japan). The
production of false roots was used to assess spore germination. After that, the spore
germination rate was observed every 2 days until the germination rate had not changed
markedly. After 19 days, the numbers of hermaphrodites and male gametophytes were
counted, and after 21 days, the area of the two kinds of gametophytes was counted.
Concentration for 50% of maximal effect (EC50) of spore gemination rate at day 17 was
calculated by a two-parameter logistic model with R software (R3.5.3 for Windows, R
Foundation for Statistical Computing, Vienna, Austria).

2.4. Toxicity Sources of AgNPs on Spore Germination and Gametophyte Differentiation
in C. thalictroides

To investigate whether the effect of AgNPs on spore germination was caused by
particles or Ag+

rel, the following 5 treatments were conducted: (1) 5 mg/L AgNPs were
added into an ultrafiltration tube (0.5 mL, 30 KD, Millipore, Bedford, MA, USA) and
centrifuged (3K15, Sigma, Osterode, Niedersachsen, Germany) at 8000 g at 4 ◦C for
10 min to obtain the AgNPs filtrate, which was diluted 62.5 times, which was equivalent
to the concentration of 0.08 mg/L AgNPs filtrate; (2) 0.004 mg/L AgNO3 (AgNPs releases
about 4.1% Ag+, which is about the same concentration as 0.08 mg/L AgNPs in the test);
(3) 0.08 mg/LAgNPs + 0.09 mg/L cysteine (AgNPs + cys all, this concentration of cysteine can
chelate all Ag+ even if all AgNPs is converted to Ag+); (4) 0.08 mg/L AgNPs + 0.0045 mg/L
cysteine (AgNPs + cys part, this concentration of cysteine only can chelate the Ag+

rel);
(5) 0.09 mg/L cysteine (as the control, to determine whether cysteine affects spore germi-
nation of C. thalictroides). Approximately 5 mL of the solutions were added to the 6-well
cell-culture plates, and then a drop of spore suspension, with about 100 spores of C. thal-
ictroides per suspension drop, was added into each well. Each treatment was replicated
five times. The plates were then incubated in a light chamber under 16 h of light, 8 h of
darkness, 25 ± 0.1 ◦C, and 20 µmol photons m−2·s−1 photosynthetically active radiation.
After 8 days of cultivation, the spore germination rate of C. thalictroides was observed under
a stereomicroscope. The germination rate of C. thalictroides spores was observed every
2 days until the germination rate had not changed markedly. After 19 days, the number of
hermaphrodites and male gametophytes was counted, and after 21 days, the area of the
two gametophytes was counted.

2.5. Statistics Analysis

All data are presented as mean with one standard deviation. SPSS Statistics 20 was
used for one-way ANOVA. If p < 0.05, the Tukey method was used to compare differences
between groups. The particle size and potential of silver nanoparticles in pure water and
culture medium were tested by independent sample t-test.

3. Results
3.1. Characterization of AgNPs

The shape of AgNPs was spherical under TEM both in distilled water and 10%
Hoagland’s solution (Figure 2), and the measured core diameter was 6.2 ± 2.0 nm in
distilled water and 7.8 ± 2.7 nm in 10% Hoagland’s solution, respectively (Table 2). From
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the TEM, most AgNPs were 4–6 nm in diameter both in distilled water and 10% Hoagland’s
solution (Figure 3A,B). The DLS results showed that the hydrodynamic diameter of AgNPs
increased from 20.3 nm in distilled water to 27.1 nm in 10% Hoagland’s solution (Table 2).
Similarly, the DPI of AgNPs increased from 0.637 in distilled water to 0.791 in Hoagland’s
solution (Table 2), while the Zeta potential of AgNPs in distilled water was −10.7 ± 0.4 mV
which decreased significantly to −2.1 ± 0.4 mV in 10% Hoagland’s solution (Table 2).

Figure 2. TEM image of AgNPs in distilled water (A) and 10% Hoagland’s solution (B). The white
bars indicate 100 nm.

Figure 3. Size distribution of AgNPs in distilled water (A) and 10% Hoagland’s solution (B).

Table 2. Core diameter, hydrodynamic diameter, polydispersity index (PDI) and Zeta potential of
AgNPs in distilled water (A) and 10% Hoagland’s solution (B). Data represent the mean ± SD (n = 5).
Data with different letters are significantly different (p < 0.05).

Solution Core Diameter *
(nm)

Hydrodynamic Diameter *
(nm) PDI Zeta Potential

(mV)

H2O 6.2 ± 2.0 20.3 ± 3.1 0.637 −10.7 ± 0.4 a
10% Hoagland’s

solution 7.8 ± 2.7 27.1 ± 4.1 0.791 −2.1 ± 0.4 b

* Core diameter was obtained by using a TEM; hydrodynamic diameter was obtained by using dynamic light scatter.
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3.2. Effects of AgNPs and Ag+ on the Spore Germination Rate of C. thalictroides

In the control, more than 80% of spores had germinated by day 8. Although some
spores continued to germinate after day 8, numbers were not significantly different between
days 8 and day 17. The spore germination rate of C. thalictroides was significantly inhibited
under AgNPs treatments and decreased significantly with increasing concentration of
AgNPs (Figure 4A). Though 0.02 mg/L AgNPs did not significantly decrease the final
germination rate, it delayed spore germination. When the concentration of AgNPs reached
0.06 mg/L, the spore germination rate was less than 30%. When the concentration of
AgNPs reached 0.1 mg/L, no spore germination was observed. Ag+ showed a similar effect
on spore germination as AgNPs (Figure 4B). After 17 days of exposure, the EC50 of AgNPs
on spore germination was 0.0492 ± 0.0012 mg/L and the EC50 of Ag+ on spore germination
was 0.0349 ± 0.0007 mg/L (Figure 5).

Figure 4. Effect of AgNPs (A) and Ag+ (B) on the spore germination of Ceratopteris thalictroides. Data
represent the mean ± SD (n = 5). Data with different letters are significantly different (p < 0.05).
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Figure 5. Concentration courses of effect of AgNPs and Ag+ on the spore germination rate of
Ceratopteris thalictroides after 17 d exposure. Data represent the mean ± SD (n = 5).

3.3. Effects of AgNPs and Ag+ on Gametophytes of C. thalictroides

After 19 days exposure to AgNPs, the proportion of hermaphrodite gametophytes
decreased significantly with the increase in AgNP concentrations (Figure 6). When the
AgNP concentration was at 0.02 and 0.04 mg/L, the proportion of hermaphrodites was
83% and 67%, which did not significantly differ from the control (75%). However, the
hermaphrodites in the 0.06 and 0.08 mg/L AgNP treatments were 24% and 5% of the
gametophytes, a decrease of 51% and 70% compared with the control. In comparison to the
AgNP treatments, the hermaphrodites in the 0.05 mg/L Ag+ treatment group were 50% of
the gametophytes, which decreased by 20% compared with the control group (Figure 6).

After 21 days of exposure to AgNPs, the area of hermaphrodites decreased significantly
with the increase in AgNPs concentration, while the area of male gametophytes did not
change significantly (Figure 7A). When the concentration of AgNPs was 0.04 mg/L, the
growth area of hermaphrodites decreased significantly compared with the control group,
which was about 62.5% of it. When the concentration of AgNPs was 0.06 mg/L and
0.08 mg/L, the growth area of hermaphrodites was about 25% of that of the control. Similar
to the AgNPs treatments, after 21 days of exposure to Ag+, the area of hermaphrodites
decreased significantly with the increase of Ag+ concentration, while the area of male
gametophytes did not change significantly (Figure 7B). When Ag+ concentration was
0.02 mg/L, no significant change was found in the area of hermaphrodites compared with
the control group. When Ag+ concentration was 0.04 mg/L, the area of hermaphrodites
decreased significantly compared with the control group, which was about 50% of it. When
the concentration of Ag+ was 0.05 mg/L, the area of hermaphrodites was significantly
reduced, which was about 16% of that of the control group.
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Figure 6. Effect of AgNPs and Ag+ on the proportion of hermaphrodites after 19 d exposure. Data
represent the mean ± SD (n = 5).

Figure 7. Effect of AgNPs (A) and Ag+ (B) on the area of male gametophytes and hermaphrodites of
Ceratopteris thalictroides after 21 d exposure. Data represent the mean ± SD (n = 5). Data with different
letters are significantly different among treatment within the same sexual gametophyte (p < 0.05).

4. Discussion

Previous studies have indicated that the toxicity of AgNPs was related to their particle
size, and small particles were more toxic to organisms [9,20,33]. In our experiments, the core
size of AgNPs did not change significantly, while the hydrodynamic diameter increased
in 10% of Hoagland’s solution, indicating an AgNP aggregation in the solution. This
aggregation was confirmed by the increase in PDI in our present study. Previous studies
reported that cations in solution could be responsible for the aggregation of AgNPs by
decreasing the zeta potential of nanoparticles, especially the divalent cation [26,34]. There
were approximately 20 mg/L Ca2+, 5 mg/L Mg2+, 30 mg/L K+ and other trace metal ions
in 10% Hoagland’s solution that could explain the aggregation of AgNPs. Though AgNPs
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aggregated in 10% of Hoagland’s solution, the size distribution showed that there were still
some AgNPs with particle sizes of less than 5 nm. Dietz et al. reported that AgNPs with a
particle size of 5 nm or smaller may penetrate plant cell walls and enter plant cells [35]. In
this study, AgNPs with a particle size less than 5 nm may enter spores of C. thalictroides
and interact with important bioactive substances such as proteins and/or nucleic acids in
the cell, thus affecting spore germination and sex differentiation of gametophytes.

In the present study, the spore morphology and diameter of C. thalictroides were
consistent with previous studies, with a diameter of 90–150 µm [36–38], indicating that
the spores used in this study were mature spores with normal development. Our results
showed that AgNPs or Ag+ significantly inhibited spore germination of C. thalictroides, and
the EC50 of AgNPs and Ag+ on C. thalictroides spore germination was 0.0492 ± 0.0012 mg/L
and 0.0349 ± 0.0007 mg/L, respectively. According to the World Health Organization
(WHO) guidelines, the concentration of silver used to control bacteria in drinking water is
0.1 mg/L [13]. In our study, 0.1 mg/L AgNPs or Ag+ can significantly inhibit the spore
germination of C. thalictroides to achieve bacteriostatic purposes. Spore germination is
crucial in the life history of C. thalictroides. Even if the Ag element in the water was within
the recommended range of drinking-water guidelines, it could significantly inhibit the spore
germination of C. thalictroides, which may have a significant impact on their reproduction.
Many studies have shown that AgNPs had toxic effects on animals, higher plants, bacteria,
and fungi [39–49]; however, the concentration used was rather high, and the EC50 of AgNPs
was usually more than 1 mg/L. Ceratopteris thalictroides is one of the most sensitive species
to the toxicity of AgNPs or Ag+, and thus could be used as a Ag-toxicity indicator.

In this study, AgNPs significantly affected the sex differentiation of gametophytes
of C. thalictroides. AgNPs significantly inhibited the differentiation of gametophytes into
hermaphrodites, and at a concentration of 0.08 mg/L the proportion of hermaphrodites
decreased by 70% compared with the control. In contrast, AgNPs had no significant ef-
fect on the differentiation into male gametophytes (Figure S1A). These results indicate
that the sensitivity of gametophytes from C. thalictroides to AgNPs was sex-dependent.
A previous study reported that delayed spore germination of C. thalictroides could affect
the sex differentiation of C. thalictroides’ gametophytes [50], which could explanation our
sex-dependent result. However, the effect of Ag+ on sex differentiation of gametophytes
was different from that of AgNPs. Although Ag+ significantly decreased the proportion
of hermaphrodites as AgNPs, both numbers of hermaphrodites and male gametophytes
decreased; hermaphrodites decreased faster than males and resulted in a decrease in the
proportion of hermaphrodites (Figure S1B). Previous studies showed that 0.1 mg /L mi-
croplastics resulted in a 30% decrease in the proportion of hermaphrodites in C. thalictroides
compared to the control group and that 4 mg/L quinclorac resulted in a 30% decrease in
the proportion of hermaphrodites compared with the control group [51,52]. Compared
with Ag+, the traditional herbicide quinclorac, and new pollutant microplastics, AgNPs
had a greater effect on the sex differentiation of gametophytes of C. thalictroides. The sex-
dependent response also showed in the growth of gametophytes. In this study, the area of
gametophytes of different genders responded differently to the toxicity of AgNPs. The area
of hermaphroditic gametophytes induced by AgNPs at 0.08 mg/L was 25% of that in the
control group. The results of this experiment showed that AgNPs significantly reduced
the area of hermaphrodites, which may lead to a decrease in the biomass of C. thalictroides,
affecting its normal growth, development, and breeding populations [53]. Ag+ significantly
affected the area of gametophytes of C. thalictroides; the area of hermaphrodites exposed
to 0.05 mg/L Ag+ was 16% that of control hermaphrodites. However, the area of male
gametophytes in the 0.08 mg/L AgNP treatment and the 0.05 mg/L Ag+ treatment was not
significantly different from that in the control. Different gender sensitivity to the toxicity of
AgNPs has also been observed in animals. Studies showed that AgNPs accumulated in
the ovaries, resulting in abnormal follicular development of female fish, resulting in the
loss of their reproductive ability, and also resulting in embryonic dysplasia of female fish,
reducing the survival rate of embryos [53–59]. When AgNPs interacted with serum pro-
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teins of Micropterus dolomieu, the formation of protein corona of AgNPs was sex-dependent,
mainly because female serum contained some egg-specific proteins such as vitellogenin
and zona pellucida, etc. This may lead to differences in the response of female and male
smallmouth bass (Micropterus dolomieu) to AgNPs toxicity [60]. The sex-dependent response
of C. thalictroides’ gametophytes differentiation to AgNPs may be caused by the differential
expression of sex-specific proteins during the process of gametophyte differentiation.

It is a hot topic in the toxicity of AgNPs whether it depends on Ag+
rel or the par-

ticle itself. In the present study, the EC50 of AgNPs and Ag+ on spore germination by
C. thalictroides was 0.0492 ± 0.0012 mg/L and 0.0349 ± 0.0007 mg/L, respectively, which
indicated that Ag+ is more toxic than AgNPs, but the toxicity was in the same order of
magnitude. Thus, the low concentration of Ag+

rel could not explain the high toxicity of
AgNPs. In the present study, the effects of the 0.08 mg/L AgNP filtrate treatment on
spore germination (Figure S2), sex differentiation of gametophytes (Figure S3), and area
of gametophytes (Figure S4) were not significantly different from those of the control
group, and they significantly differed from the 0.08 mg/L AgNP treatment. About 4.1%
Ag+ was released by 0.08 mg/L AgNPs, so about 0.004 mg/L Ag+ was released in the
0.08 mg/L treatment. The effects of 0.004 mg/L Ag+ treatment on spore germination, sex
differentiation of gametophytes, and area of gametophytes were not significantly different
from those of the control. In addition, 0.004 mg/L Ag+ was much lower than the EC50 of
Ag+ on spores of C. thalictroides. These results indicate that the Ag+ released by AgNPs
did not have a significant effect on the germination and growth of spores of C. thalictroides,
and the toxicity of AgNPs may not be caused by the Ag+

rel. The effects of 0.08 mg/L
AgNPs + 0.09 mg/L cysteine, 0.08 mg/L AgNPs + 0.045 mg/L cysteine and 0.09 mg/L cys-
teine on spore germination, sex differentiation of gametophytes, and area of gametophytes
were not significantly different from those of the control group. The results showed that
when cysteine was mixed with Ag+, AgNPs had no significant effect on spore germination,
sex differentiation of gametophytes, and growth area of gametophytes, suggesting that the
toxicity of AgNPs to the spores of C. thalictroides might be changed by cysteine. AgNPs
interacting with organic matter in solution should be considered in its toxicity. When the
cysteine was combined with the Ag+

rel or AgNPs itself, it formed a passivation layer on the
surface of AgNPs. This prevents the further release of Ag+ and also prevents interaction
between AgNP particles and spores of C. thalictroides (Figures S2–S4). Some studies have
shown that Cl− can react with dissolved Ag+ to generate a silver chloride passivation layer
on AgNPs, reducing the toxicity of AgNPs [61–63]. Additionally, in the present study, the
cysteine as a chelator of Ag+ could also be one of the antioxidants [64] that had a possibility
to alleviate the toxicity of AgNPs on C. thalictroides. In conclusion, the Ag+

rel cannot explain
the highly toxic effect of AgNPs on the spores of C. thalictroides. The interaction among
AgNPs, material in solution, and the spores of C. thalictroides could be important in the toxic
mechanisms of AgNPs. Thirty percent of the AgNPs used in this study had a particle size
of less than 5 nm, which could be likely to enter the spores of C. thalictroides and produce
effects. Previous studies have shown that AgNPs entered animal and plant cells where
they released Ag+, thus producing toxic effects [23–26]. This is a further direction for our
work on the toxic effects of AgNPs on spores of C. thalictroides.

5. Conclusions

In this study, it was found that AgNPs significantly inhibited the spore germina-
tion of C. thalictroides. Moreover, AgNPs also significantly affected further gametophyte
development, and these effects were sex-dependent. AgNPs significantly inhibited the
development of hermaphrodites and significantly inhibited their growth. According to
the World Health Organization (WHO) guidelines, the concentration of silver used to
control bacteria in drinking water is 0.1 mg/L. In our study, 0.1 mg/L AgNPs or Ag+ can
completely inhibit the spore germination of C. thalictroides.

By comparing the toxicity of AgNPs and Ag+, it was found that the toxicity of AgNPs
to C. thalictroides was slightly lower than that of Ag+, but the toxicity of the two forms of
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silver was in the same order of magnitude. It was found that the Ag+
rel was not the main

source of the toxicity of the AgNPs.
The sensitivity of spore of C. thalictroides’ to AgNPs was greater than in other studied

higher plants, animals, and even some bacteria, fungi, algae. It was particularly sensitive
to the toxicity of AgNPs, implying that the real concentration of AgNPs in some aquatic
environments may affect spore germination of C. thalictroides which may affect its reproduc-
tion. Since C. thalictroides is one of the most sensitive species to the toxic effects of AgNPs
or Ag+, it could be used as an Ag toxicity indicator.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/nano12101730/s1, Figure S1: Effect of AgNPs (A) and Ag+ (B) on
the number of gametophytes of Ceratopteris thalictroides after 19 d exposure. Data represent the
mean ± SD (n = 5). Data with different letters are significantly different (p < 0.05); Figure S2: Effect
of various comparison groups on the spore germination of Ceratopteris thalictroides after 17 d expo-
sure. (Control; AgNPs filtrate: 0.08 mg/L AgNP filtrate; Ag+: 0.004 mg/L Ag+; AgNPs + cys(all):
0.08 mg/L AgNPs + 0.09 mg/L cys; AgNPs + cys(part): 0.08 mg/L AgNPs + 0.0045 mg/L cys;
Cys: 0.09 mg/L cys) Data represent the mean ± SD (n = 5). Data with same letters are not signif-
icantly different (p = 0.05); Figure S3: The proportion of hermaphrodites of various comparison
groups after 19 d exposure. (Control; AgNPs filtrate: 0.08 mg/L AgNP filtrate; Ag+: 0.004 mg/L
Ag+; AgNPs + cys(all): 0.08 mg/L AgNPs + 0.09 mg/L cys; Cys: 0.09 mg/L cys; AgNPs + cys(part):
0.08 mg/L AgNPs + 0.0045 mg/L cys) Data represent the mean ± SD (n = 5). Data with same letters
are not significantly different (p = 0.05); Figure S4: Effect of various comparison groups on area
of male gametophytes and hermaphrodites of Ceratopteris thalictroides after 21 d exposure. (Con-
trol; AgNP filtrate: 0.08 mg/L AgNP filtrate; Ag+: 0.004 mg/L Ag+; AgNPs + cys(all): 0.08 mg/L
AgNPs + 0.09 mg/L cys; Cys: 0.09 mg/L cys; AgNPs + cys(part): 0.08 mg/L AgNPs + 0.0045 mg/L
cys) Data represent the mean ± SD (n = 5). Data with same letters are not significantly different
(p = 0.05).
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Abstract: The adsorption and suspension behaviors of carbon nanotubes (CNTs) in the water envi-
ronment determine the geochemical cycle and ecological risk of CNTs and the compounds attached
to them. In this study, CNTs were selected as the research object, and the effect of tube diameters
and functional groups (multiwall CNTs (MWNTs) and hydroxylated MWNTs (HMWNTs)) on the
adsorption and suspension behaviors of the CNTs in the presence of humic acid (HA) was systemati-
cally analyzed. The results indicate that HA adsorption decreased with the increase in the solution
pH, and the adsorption amount and rate were negatively correlated with the tube diameter of the
CNTs. The surface hydroxylation of the CNTs prevented the adsorption of HA, and the maximum
adsorption amounts on the MWNTs and HMWNTs were 195.95 and 74.74 mg g−1, respectively. HA
had an important effect on the suspension of the CNTs, especially for the surface hydroxylation, and
the suspension of the CNTs increased with the increase in the tube diameter. The characteristics of the
CNTs prior to and after adsorbing HA were characterized by transmission electron microscopy, fluo-
rescence spectroscopy, Fourier-transform infrared spectroscopy and Raman spectroscopy. The results
indicate that surface hydroxylation of the CNTs increased the adsorption of aromatic compounds,
and that the CNTs with a smaller diameter and a larger specific surface area had a disordered carbon
accumulation microstructure and many defects, where the adsorption of part of the HA would cover
the defects on the CNTs’ surface. Density functional theory (DFT) calculations demonstrated that HA
was more easily adsorbed on the CNTs without surface hydroxylation. This investigation is helpful
in providing a theoretical basis for the scientific management of the production and application of
CNTs, and the scientific assessment of their geochemical cycle and ecological risk.

Keywords: carbon nanotubes; tube diameter; functional groups; adsorption; suspension/sedimentation;
humic acid

1. Introduction

The invention and development of engineered nanomaterials have been aimed to
fulfill their wide applications in product manufacturing and in providing a high quality
of daily life. Significant attention has been paid to engineered nanomaterials due to their
diverse structures and functions and complex environmental behavior, which may impose
a significant impact on the ecological environment. Approximately one million tons of
engineered nanomaterials is released into the ecosystem each year, while carbon nanotubes
(CNTs) are one of the ten most used engineered materials [1]. CNTs are widely used in
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the fields of electronics, biomaterials, medicine, cosmetics, catalysis and environmental
treatment due to their unique structures, excellent electrical conductivity and superior
thermal and chemical stability [2–5], and they can be used as substitutes for the scarce
metals for most technologies [6]. Studies have shown that CNTs are toxic to animals,
microorganisms and embryonic stem cells [7,8]. CNTs may enter and accumulate in the
human body through the respiratory tract, food chain and skin contact pathways and
eventually pose threats to human health [7–9]. Therefore, it is necessary to reduce the
release of CNTs into the environment, but the high aspect ratio, aromatic structure and size
of CNTs make the degradation of CNTs very difficult [10]. Hence, more attention has to be
paid to CNTs for their potential risk to human health and the ecological environment.

Once released into the aquatic environment, the environmental behaviors of CNTs
such as adsorption, aggregation and sedimentation could directly affect their migration,
transformation, fate and bioavailability [11–13], and they can be significantly influenced
by the physical and chemical factors of the aquatic environment, humic acid (HA) and
other compounds [11–13]. Previous studies demonstrated that the lower pH and higher
ionic strength of the water environment were favorable for the adsorption of HA on CNTs’
surfaces, but they were unfavorable for the CNTs’ stabilization [14–17]. The adsorption
of HA on the surface of CNTs and CNTs’ suspension/sedimentation behaviors have been
intensively studied [14–16]. HA plays a key role in the suspension and sedimentation of
particles and colloids in the aquatic environment [18,19]. It can promote the dispersion,
suspension and sedimentation of hydrophobic CNTs in the water via electrostatic repulsion,
steric hindrance or solvation [11,16,18]. HA is a mixture of polyelectrolytes with different
molecular weights. It contains a variety of functional groups, including carboxyl, hydroxyl,
carbonyl, quinone and methoxy groups, resulting in both strong hydrophobicity and
hydrophilicity [20]. HA can be adsorbed on the surface of CNTs through hydrogen bonding
and hydrophobic, π−π and electrostatic interactions [11,16,20,21]. The adsorption rate
is affected by the oxidation degree, specific surface area and hydrophobic force of CNTs.
Meanwhile, the intraparticle diffusion is also related to the adsorption but not as a sole
rate-controlling step [22].

The adsorption and suspension/settlement behaviors of CNTs in the water environ-
ment are not only influenced by the physical and chemical elements of the water, but also
their own physical and chemical properties. However, limited research has been reported
about the effects of the tube diameters and functional groups of CNTs on the adsorption of
HA and aggregation/sedimentation of CNTs. Previous studies have demonstrated that the
saturated adsorption capacity of CNTs with different structures was different [11,13,23], and
hydrophilic functional groups such as -COOH or -OH on the surface of CNTs could enhance
the hydrophilicity and weaken the adsorption of hydrophobic organic molecules on CNTs,
thus greatly increasing the dispersion of CNTs in the water. [15,16,24]. Meanwhile, the tube
diameter of CNTs may directly influence the adsorption sites, the number of functional
groups and the adsorption capacity of HA. Therefore, the type and number of functional
groups on the CNTs’ surface as well as the CNTs’ tube diameter will affect both the ad-
sorption of HA and the suspension/sedimentation behavior of CNTs, which ultimately
influences their migration, transformation and fate in the aquatic environment [17,25,26],
affecting their environmental geochemical fate.

In this study, multiwall carbon nanotubes (CNTs) were selected as the research object,
the tube diameters and functional groups were used as internal factors and the solution
pH, humic acid and other physical and chemical parameters were used as external factors.
The adsorption, suspension and sedimentation behaviors of CNTs were systematically
studied through adsorption isotherm and kinetic experiments. Density functional theory
(DFT), fluorescence excitation–emission matrix (EEM) spectroscopy, Fourier-transform
infrared (FTIR) spectroscopy and Raman spectroscopy were used to study the mechanisms
of the adsorption, aggregation and sedimentation of CNTs. This investigation provides the
theoretical basis for recognizing the environmental behaviors and potential ecological risks
of CNTs with different diameters and functional groups in the natural aquatic environment.
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2. Materials and Methodology
2.1. Materials and Reagents

All reagents were analytical grade. NaOH and HCl were purchased from Sinopharm
Chemical Reagent Co., Ltd., (Shanghai, China). Multiwall CNTs (MWNTs) and hydroxy-
lated MWNTs (HMWNTs) were purchased from Chengdu Organic Chemistry Co., Ltd.,
Chinese Academy of Sciences. MWNTs and HMWNTs with outer tube diameters of
4–6 nm (named MWNT-1 and HMWNT-1), 5–15 nm (named MWNT-2 and HMWNT-2)
and 20–30 nm (named MWNT-3 and HMWNT-3) were used to study the impact of di-
ameters on their environmental behaviors. Humic acid (HA) was purchased from the
International Humic Substances Society (IHSS). The chemical compositions, functional
groups and results of the NMR analysis of HA (Elliott Soil, 1S102H) are presented in
Table 1 [27]. Deionized water (DI water) was supplied by an ultra-pure water system
(Milli-Q Advantage System, Millipore, Boston, MA, USA). The water resistance value was
≥18.3 MΩ·cm, and the conductivity was ≤10 us·cm−1.

Table 1. The elemental composition, functional groups and NMR analysis of HA.

Carbon Distribution (mg L−1)

Sample Carbonyl
220–190

Carboxyl
190–165

Aromatic
165–110

Acetal
110–90 Hetero Aliphatic 90–60 Aliphatic

60–0 Aromatic/Aliphatic

HA 6 18 50 4 6 16 3.125

Element Constitution %(w·w−1)

H2O Ash C H O N S P

HA 8.2 0.88 58.13 3.68 34.08 4.14 0.44 0.24

Acid Functional Groups(m mol·g−1)

Carboxyl Phenolic Q1 LogK1 N1 Q2 LogK2 N2

HA 8.28 1.87 8.90 4.36 3.16 0.85 9.80 1.00

Notes: The data were sourced from the International Humic Substances Society (IHSS). Q1 and Q2 are the
maximum charge densities of the two classes of binding sites; LogK1 and LogK2 are the mean logK values for
proton binding by the two classes of sites; N is the number of fitted titration data points.

2.2. Preparation of HA Stock Solution and Determination of Standard Curve for HA Concentration

HA was dissolved in 0.1 M NaOH solution. Then, the pH of the solution was adjusted
to 7.9 ± 0.2 with 0.1 M HCl. The solution was kept in a shaker at room temperature
(22 ± 1 ◦C) for 24 h to dissolve completely and filtered through a 0.45 µm fiber membrane
(MF Cat No: HAWP04700) prior to use. HA solutions with concentrations between 5.0 and
80.0 mg L−1 were prepared by diluting the HA stock solution. The concentration of the
HA solution was measured using a UV–visible spectrophotometer (UV-vis 8453, Agilent,
Palo Alto, CA, USA)with a 1 cm-light-path quartz cuvette. The light absorbance at a fixed
wavelength of 254 nm was used for establishing the HA calibration curve.

2.3. Characterization of CNTs

Transmission electron microscopy (TEM; H-7500 Hitachi, Tokyo, Japan) was used to
observe the morphology, tube diameter and length of CNTs and CNTs-HA. TEM images
were recorded on an H7500 transmission electron micrograph (Hitachi, Tokyo, Japan)
operated at 120 kV. All CNT samples used for TEM testing were prepared by cool drying of
the solution containing suspended CNTs. Zeta potentials of CNTs were measured at various
pH values using a Nano-ZS90 Zetasizer (Malvern Instruments, Worcestershire, UK).

2.4. Effect of Solution pH

An amount of 4.0 mg of CNTs was mixed with 20 mL of DI water in a 100 mL poly-
carbonate bottle aided by sonication for 30 min (240 W, 100 kHz). The temperature was
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maintained at 22 ± 1 ◦C using cooling water. Then, 20.0 mL of HA solution (40.0 mg L−1)
was added, while the solution pH was adjusted in the range of 2.0 to 10.0 using 0.1 M
HCl or NaOH. The mixture was stirred on a rotary shaker for 48 h. Then, the supernatant
was filtered through a 0.2 µm fiber membrane (PALL REF 4612) for the absorbance mea-
surement using a UV–Vis spectrophotometer (UV-vis 8453, Agilent, Palo Alto, CA, USA)
(manufacturer, city, (State or Province), country) at 254 nm. The experiment was repeated
three times.

2.5. Adsorption Isotherm

The sonicated CNT suspension solution was prepared as described in Section 2.4.
Then, 20.0 mL of HA solution (200.0 mg L−1) was added to achieve final HA concentrations
of 5.0, 10.0, 15.0, 20.0, 30.0, 40.0 and 50.0 mg L−1. The solution pH was adjusted to 6.0 using
0.1 M HCl. The mixture was stirred in a rotary shaker for 48 h. Then, the supernatant was
filtered through a 0.2 µm fiber membrane (PALL REF 4612) for the absorbance measurement
using a UV–Vis spectrophotometer at 254 nm. The adsorption isotherms were fitted using
Langmuir and Freundlich adsorption isotherm models. The experiment was repeated
three times.

2.6. Adsorption Kinetics

An identical mixture solution was prepared as described in Section 2.4, and the initial
concentration of HA was 20.0 mg L−1. The solution pH was adjusted to 6.0 using 0.1 M
HCl. The solution was then shaken for 5 min, 30 min, 60 min, 2 h, 4 h, 6 h, 12 h, 24 h, 48 h,
72 h, 96 h and 120 h. Then, the supernatant was filtered through a 0.2 µm fiber membrane
(PALL REF 4612) for the absorbance measurement using a UV–Vis spectrophotometer at
254 nm. The experiment was repeated three times.

2.7. Sedimentation Test of CNTs

The sonicated CNT suspension solution was prepared as described in Section 2.4.
Then, 20 mL of HA solution (200.0 mg L−1) was added to achieve final HA concentrations
of 5.0, 10.0, 20.0, 30.0, 40.0, 50.0 and 60.0 mg L−1. The solution pH was adjusted to 6.0 using
0.1 M HCl. After shaking for 48 h, the sedimentation of the suspensions was measured with
a UV–visible spectrophotometer at 800 nm [14,25]. The ratio of the absorbance at different
times (Ce) to the initial absorbance (C0) as a function of time was used to determine the sed-
imentation dynamics. A lower Ce/C0 ratio indicates a higher sedimentation performance
of the nanotubes and, in turn, much easier aggregation and settlement of the CNTs [28].

2.8. Fluorescence Spectral Analysis

The initial concentration of HA was 20.0 mg L−1, and the fluorescence spectra of
the remaining HA after being adsorbed by CNTs at 24 h, 48 h and 72 h were measured
and compared with the fluorescence spectra of the initial HA. Fluorescence spectra of
HA were measured using a fluorescence spectrometer (Hitachi F-7000, Tokyo, Japan) with
a 1 cm-path-length quartz cuvette at room temperature. EEM spectra were obtained by
subsequently scanning emission (Em) wavelengths from 230 to 600 nm and excitation (Ex)
wavelengths from 200 to 450 nm, both stepped by 5 nm intervals. Slit widths were 5 nm
for both Ex and Em, and the scanning speed was set at 12000 nm·min−1. The fluorescence
index (FI) was calculated as the ratio of the emission intensity at Em 450 nm relative to that
at Em 500 nm at Ex 370 nm [29].

2.9. Raman and FTIR Spectroscopy Characterization of CNTs

A micro-Raman imaging spectrometer (DXRxi, Thermo Scientific, Waltham, MA, USA)
was used to characterize the CNTs and CNTs-HA. The microscope was equipped with 10×
and 50× objectives. During the measurement, a layer of CNTs with a thickness of 2 cm
was placed on a glass slide mounted horizontally inside the test chamber. The orientation
of the sample stage was adjusted so that the laser spot scanned in parallel. The excitation
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source had a wavelength of 532 nm. The focused spot size was about 1 µm. The spectral
resolution was 1 µm. The optical path length was corrected by the Raman peak intensity
at 520 cm−1 from a silicon wafer with an excitation power of 2 mW and an exposure time
of 10 s. The test results were analyzed and processed with Omnic software with baseline
correction and Lorentz peak fitting for peak deconvolution. FTIR spectrometry of CNTs
and CNTs-HA was carried out using a Nicolet Magna-IR 750 FTIR spectrometer (Nicolet
Magna-IR 750, Nicolet, Madison, WI, USA) using KBr powder as the background. FTIR
spectra were recorded from 400 to 4000 cm−1 at a resolution of 4 cm−1 and averaged over
200 scans.

2.10. Atomic Adsorption Theory Analysis Based on Density Functional Theory (DFT) Calculation

Density function theory calculations were performed using the CP2K package [30].
The PBE functional [31] with Grimme D3 correction [32] was used to describe the system.
Unrestricted Kohn–Sham DFT was used as the electronic structure method in the framework
of the Gaussian and plane wave methods [33,34]. The Goedecker–Teter–Hutter (GTH)
pseudopotentials [35,36] and DZVPMOLOPT-GTH basis sets [33] were utilized to describe
the molecules. A plane-wave energy cut-off of 500 Ry was employed.

3. Results and Analysis
3.1. Characterization of CNTs

The TEM images of the MWNTs (Figure 1a–c) and HMWNTs (Figure 1d–f) prior to and
after adsorbing HA (Figure 1g–l) are shown in Figure 1. The observed outer tube diameters
of the CNTs were consistent with the data given by the manufacturer. Additionally, it can
be seen that the MWNTs and HMWNTs exhibited the characteristic of flexible winding,
and the winding property of the MWNTs and HMWNTs increased significantly after the
adsorption of HA. This result is different from that of nanoparticles, which have better
dispersion after HA adsorption [14,26]. Previous research indicated that the tube segments
of CNTs are usually closed, and the inner diameter of MWNTs and HMWNTs is too small
to allow large molecules such as HA to enter; hence, HA can only be adsorbed on the outer
surface of MWNTs and HMWNTs [16,17].

The specific surface areas (BET) after HA adsorption of MWNT-1, MWNT-2, MWNT-
3, HMWNT-1, HMWNT-2 and HMWNT-3 were 342.4, 213.8, 129.5, 471.6, 220.4 and
135.1 m2 g−1, respectively (Table S1). For the CNTs with different surface functional groups,
their BET also increased with the decrease in the tube diameter. After the adsorption of
HA, the BET of MWNTs and HMWNTs decreased significantly; the reduction rates of
MWNTs (19.9–30.9%) were higher than those of HMWNTs (12.0–25.7%), indicating that the
adsorption capacity of MWNTs for HA was larger than that of HMWNTs; and HA occupied
more adsorption sites of MWNTs. The nitrogen adsorption isotherms for the MWNTs and
HMWNTs are shown in Figure S1.

The effect of the solution pH on the changes in the surface charge property and density
of the MWNTs and HMWNTs are shown in Figure 2. The MWNTs and HMWNTs had a
negative surface charge under different pH conditions, and only MWNT-1 and MWNT-2
had small positive charges at pH < 3.0. With the increase in pH, more OH− adsorbed on
the surface of MWNT-1 and MWNT-2, and the positive charge density decreased, resulting
in zero surface charge at pH 3.0. The surface negative charge density of MWNT-1 and
MWNT-2 increased gradually with the increase in the solution pH. The zeta potentials of
the MWNT-3 and HMWNT surfaces were negative. With the increase in pH, the negative
value of the zeta potential increased. The results indicate that the surface functional groups
and tube diameters of the CNTs also affected the property and density of the surface charge.
For different surface functional groups, the surface negative charge density of the MWNTs
and HMWNTs also increased with the increase in the solution pH and tube diameter.
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3.2. Effect of pH on the Adsorption of HA

The adsorption amount of HA on the surface of the MWNTs and HMWNTs decreased
significantly with the increase in the solution pH (Figure 3); especially for the MWNTs and
HMWNTs with a larger diameter, HA could hardly be adsorbed on their surface when the
solution pH was greater than 7.0, and the maximum adsorption amount of HA was achieved
at the lowest pH of 2.0. The adsorption amount of HA on the surface of the MWNTs was
slightly higher than that of the HMWNTs, consistent with the above results of BET. For
the MWNTs, the maximum adsorption amount of HA decreased with the increase in the
tube diameter following the order of MWNT-1 (186.4 mg g−1) > MWNT-2 (181.7 mg g−1)
> MWNT-3 (127.4 mg g−1). Similar results were also found for the HMWNTs, with the
adsorption amount decreasing in the order of HMWNT-1 (181.1 mg g−1) ≈ HMWNT-2
(182.6 mg g−1) > HMWNT-3 (120.8 mg g−1). Therefore, the adsorption amount of HA
was greater with smaller tube diameters regardless of the functional groups on the surface
of the CNTs. Previous studies demonstrated that the solution pH not only affected the
property and density of the surface charge of CNTs, but also the dissociation of HA in the
solution [14,16]. Therefore, interactions between the surface functional groups of CNTs and
the hydrogen bonds and polar functional groups of HA were inhibited, thus reducing the
adsorption amount of HA [14]. The results indicate that the surface functional groups had
no significant effect on the adsorption of HA on the CNTs at the low solution pH, and the
surface hydroxylation hindered the adsorption of HA at the high solution pH.
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Figure 3. The effect of the solution pH on HA adsorption on the surfaces of MWNTs (a) and
HMWNTs (b).

After the adsorption of HA, the zeta potentials of the MWNTs and HMWNTs decreased
first and then increased (Figure 4). This phenomenon can be explained from two aspects:
on the one hand, HA was adsorbed on the surface of the CNTs at a low solution pH and
then increased the negative charge density of the CNTs due to its negative charge in the
solution; on the other hand, under the condition of a high solution pH, HA was difficult
to adsorb on the surfaces of the MWNTs and HMWNTs, and the zeta potentials of the
MWNTs and HMWNTs were only affected by the solution pH.
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3.3. Adsorption Isotherms

The adsorption of HA on the MWNTs and HMWNTs was fitted using both Langmuir
(Equation (1)) and Freundlich (Equation (2)) [37,38] adsorption models (Figure 5).

qe =
qmkLCe

1 + kLCe
(1)

qe = kFCe
1
n (2)

where qe is the amount of HA adsorbed at equilibrium (mg g−1); Ce is the concentration
of HA in the solution (mg L−1) at equilibrium; qm (mg g−1) is the maximum adsorption
capacity; kL (L g−1) is the Langmuir equilibrium constant; kF (mg1−(1/n)L1/n g−1) and n
are the Freundlich parameters.

Nanomaterials 2022, 12, x FOR PEER REVIEW 9 of 20 
 

 

 
Figure 5. Langmuir and Freundlich adsorption isotherms for HA adsorption on MWNTs (a–c) and 
HMWNTs (d–f). 

The Langmuir and Freundlich adsorption isotherms of HA on the MWNT and 
HMWNT surfaces were obtained by fitting Equations (1) and (2) (Table 2). In general, 
most of the isotherms achieved a good-quality fitting. Based on the Langmuir isotherm, 
the maximum adsorption amount of HA on the surface of MWNT-1 was 195.95 mg g−1 at 
pH 6.0. However, under the same conditions, this was reduced to 89.73 and 87.99 mg g−1 
for MWNT-2 and MWNT-3, respectively. Therefore, the MWNT with the smaller tube 
diameter and the larger specific surface area had the highest adsorption capacity for HA. 
The maximum adsorption amounts of HA on the surfaces of HMWNT-1, HMWNT-2 and 
HMWNT-3 were 74.74, 75.16 and 69.81 mg g−1, respectively. The surface hydroxylation of 
the HMWNTs greatly reduced the adsorption amount of HA, and the effect of the tube 
diameter on the adsorption of HA on the HMWNTs was not as significant as that on the 
MWNTs. The adsorption amount of HA on the MWNTs was larger than that on the 
HMWNTs, which could be attributed to the fact that the hydroxyl groups in the HMWNTs 
occupied a part of the adsorption sites, so the surface hydroxylation of the MWNTs may 
inhibit the adsorption of HA. The constant “n” for the strength of adsorption predicted 
using the Freundlich equation was less than 2.0, indicating that the MWNTs and 
HMWNTs had a weak adsorption capacity for HA. This is understandable, since at pH 
6.0, the surfaces of the MWNTs and HMWNTs were negatively charged, and a part of the 
HA can be adsorbed on the surfaces of the MWNTs and HMWNTs due to electrostatic 
repulsion. 

To better understand the adsorption behavior of HA on the surfaces of the MWNTs 
and HMWNTs, Temkin (Equation (S1)) (Figure S2) and Dubinin–Radushkevich (Equa-
tions (S2) and (S3)) [37,38] (Figure S3) adsorption isotherms were used to analyze the ad-
sorption of HA. The results of the Temkin and Dubinin–Radushkevich adsorption iso-
therms are listed in Table S2. Correlation coefficient calculations showed that the Temkin 
isotherm represents the equilibrium data of 298 K well. The results indicate that the bind-
ing energy of HA was evenly distributed at 298 K. Compared with the data in Table 2, the 
order of the fitting results of each model was R2L> R2F> R2T> R2D-R. This indicates that the 
adsorption of HA on the MWNTs and HMWNTs was mainly monolayer adsorption [39]. 

  

Figure 5. Langmuir and Freundlich adsorption isotherms for HA adsorption on MWNTs (a–c) and
HMWNTs (d–f).

The Langmuir and Freundlich adsorption isotherms of HA on the MWNT and
HMWNT surfaces were obtained by fitting Equations (1) and (2) (Table 2). In general,
most of the isotherms achieved a good-quality fitting. Based on the Langmuir isotherm,
the maximum adsorption amount of HA on the surface of MWNT-1 was 195.95 mg g−1 at
pH 6.0. However, under the same conditions, this was reduced to 89.73 and 87.99 mg g−1

for MWNT-2 and MWNT-3, respectively. Therefore, the MWNT with the smaller tube
diameter and the larger specific surface area had the highest adsorption capacity for HA.
The maximum adsorption amounts of HA on the surfaces of HMWNT-1, HMWNT-2 and
HMWNT-3 were 74.74, 75.16 and 69.81 mg g−1, respectively. The surface hydroxylation
of the HMWNTs greatly reduced the adsorption amount of HA, and the effect of the tube
diameter on the adsorption of HA on the HMWNTs was not as significant as that on
the MWNTs. The adsorption amount of HA on the MWNTs was larger than that on the
HMWNTs, which could be attributed to the fact that the hydroxyl groups in the HMWNTs
occupied a part of the adsorption sites, so the surface hydroxylation of the MWNTs may in-
hibit the adsorption of HA. The constant “n” for the strength of adsorption predicted using
the Freundlich equation was less than 2.0, indicating that the MWNTs and HMWNTs had a
weak adsorption capacity for HA. This is understandable, since at pH 6.0, the surfaces of
the MWNTs and HMWNTs were negatively charged, and a part of the HA can be adsorbed
on the surfaces of the MWNTs and HMWNTs due to electrostatic repulsion.
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Table 2. Langmuir and Freundlich adsorption isotherm constant of HA on MWNTs and HMWNTs.

Samples
Langmuir Freundlich

qm
(mg g−1)

KL
(L mg−1) R2 KF

(mg1−(1/n)L1/ng−1) n R2

MWNT-1 195.95 0.0142 0.975 4.50 1.341 0.974
MWNT-2 89.73 0.0264 0.977 4.48 1.578 0.995
MWNT-3 87.99 0.0137 0.934 2.08 1.362 0.998

HMWNT-1 74.74 0.0161 0.991 2.04 1.383 0.996
HMWNT-2 75.16 0.0136 0.985 1.74 1.362 0.977
HMWNT-3 69.81 0.0172 0.985 1.92 1.368 0.971

To better understand the adsorption behavior of HA on the surfaces of the MWNTs
and HMWNTs, Temkin (Equation (S1)) (Figure S2) and Dubinin–Radushkevich
(Equations (S2) and (S3)) [37,38] (Figure S3) adsorption isotherms were used to analyze
the adsorption of HA. The results of the Temkin and Dubinin–Radushkevich adsorption
isotherms are listed in Table S2. Correlation coefficient calculations showed that the Temkin
isotherm represents the equilibrium data of 298 K well. The results indicate that the binding
energy of HA was evenly distributed at 298 K. Compared with the data in Table 2, the
order of the fitting results of each model was R2

L> R2
F> R2

T> R2
D-R. This indicates that the

adsorption of HA on the MWNTs and HMWNTs was mainly monolayer adsorption [39].

3.4. Adsorption Kinetics

The tube diameter may influence the adsorption pathway for CNTs, where a smaller
tube diameter of CNTs offers a shorter adsorption pathway. Therefore, the study of the
adsorption kinetics is helpful for a better understanding of the adsorption of HA on the
surfaces of CNTs with different tube diameters and functional groups. As shown in Figure 6,
the adsorption amount of HA on the MWNTs was higher than that on the HMWNTs at
pH = 6.0, and the adsorption equilibrium times of HA on the surfaces of the MWNTs and
HMWNTs were consistent. The adsorption amount of HA increased rapidly in the first
24 h, which slowed down gradually after 24 h until reaching adsorption equilibrium at
about 48 h. For the same surface functional groups of the CNTs, the adsorption amount
of HA decreased with the increase in the tube diameter, consistent with the result of the
adsorption isotherm fitting. Therefore, the CNTs with a larger specific surface area and a
shorter adsorption path had a greater adsorption rate of HA.
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Figure 6. HA adsorption on MWNT (a) and HMWNT (b) surfaces under different equilibrium times.

In order to quantify the time-dependent variation in the HA adsorption on the MWNT
and HMWNT surfaces, pseudo-first-order (Equation (3)) (Figure S4) and pseudo-second-
order (Equation (4)) (Figure 7) kinetic models were used for fitting the time-dependent
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profiles [37,38]. The adsorption kinetic parameters of HA can be calculated by measuring
the adsorption rate of HA on MWNTs and HMWNTs.

Nanomaterials 2022, 12, x FOR PEER REVIEW 11 of 20 
 

 

where k1 (min−1) and k2 (g mg−1 min−1) are the first-order and second-order adsorption rate 
constants, qt (mg g−1) is the amount of HA adsorbed by the CNTs at time t and qe (mg g−1) 
is the adsorption capacity at adsorption equilibrium. The initial adsorption rate h0 
(mg/g/min) can be defined as follows (Equation (5)): 

0)(tqkh 2
e20 →=  (5)

Both k2 and h0 can be determined experimentally by plotting t/qt against t. 

 
Figure 7. Pseudo-second-order kinetic curves of the adsorption of HA on the surface of MWNTs (a–
c) and HMWNTs (d–f). 

The intraparticle diffusion rate was obtained from the plots of qt versus t1/2. The rate 
parameter for intraparticle diffusion was determined using the following Equation (6) 
[40]: q୲ ൌ k୧୬୲tଵ ଶൗ   C (6)

where C is the intercept, and kint is the intraparticle diffusion rate constant (mg g−1 min−1/2). 
From Figure S5, the regression of qt versus t1/2 was linear, but none of the straight 

lines passed through the origin, indicating that the intraparticle diffusion was not the only 
rate-controlling step. 

The adsorption kinetics of HA on the surface of the MWNTs and HMWNTs were in 
accordance with the second-order kinetic model (R2 = 0.996–0.999) (Table 3), which indi-
cates that chemical adsorption was the rate-limiting step for HA absorbed on the surface 
of the MWNTs and HMWNTs. The adsorption kinetic analysis results also demonstrate 
that the adsorption rates of HA on the MWNT-1 and MWNT-2 surfaces were similar, but 
much higher than that of MWNT-3. The adsorption rate constant and maximum adsorp-
tion amount of HA on HMWNT-1 were also much higher than those of other HMWNTs 
with a larger tube diameter. By comparing the adsorption rates of HA on the MWNTs 
with different surface functional groups, it can be seen that surface hydroxylation reduced 
not only the adsorption amount of HA, but also the adsorption rate. Therefore, the surface 
functional groups and tube diameters of the CNTs also played a significant role in the 
adsorption of HA, and the specific surface area, tube diameter and interaction between 
the surface functional groups and HA synergistically affected the adsorption rate and ad-
sorption capacity of HA. 

Figure 7. Pseudo-second-order kinetic curves of the adsorption of HA on the surface of MWNTs (a–c)
and HMWNTs (d–f).

Pseudo-first-order model:

qt = qe(1 − e−k1t
)

(3)

Pseudo-second-order model:

t
qt

=
1

k2qe
2 +

1
qe

t (4)

where k1 (min−1) and k2 (g mg−1 min−1) are the first-order and second-order adsorption
rate constants, qt (mg g−1) is the amount of HA adsorbed by the CNTs at time t and qe
(mg g−1) is the adsorption capacity at adsorption equilibrium. The initial adsorption rate
h0 (mg/g/min) can be defined as follows (Equation (5)):

h0 = k2qe
2(t → 0) (5)

Both k2 and h0 can be determined experimentally by plotting t/qt against t.
The intraparticle diffusion rate was obtained from the plots of qt versus t1/2. The rate

parameter for intraparticle diffusion was determined using the following Equation (6) [40]:

qt = kintt
1
2 + C (6)

where C is the intercept, and kint is the intraparticle diffusion rate constant (mg g−1

min−1/2).
From Figure S5, the regression of qt versus t1/2 was linear, but none of the straight

lines passed through the origin, indicating that the intraparticle diffusion was not the only
rate-controlling step.

The adsorption kinetics of HA on the surface of the MWNTs and HMWNTs were in
accordance with the second-order kinetic model (R2 = 0.996–0.999) (Table 3), which indicates
that chemical adsorption was the rate-limiting step for HA absorbed on the surface of the
MWNTs and HMWNTs. The adsorption kinetic analysis results also demonstrate that the
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adsorption rates of HA on the MWNT-1 and MWNT-2 surfaces were similar, but much
higher than that of MWNT-3. The adsorption rate constant and maximum adsorption
amount of HA on HMWNT-1 were also much higher than those of other HMWNTs with
a larger tube diameter. By comparing the adsorption rates of HA on the MWNTs with
different surface functional groups, it can be seen that surface hydroxylation reduced not
only the adsorption amount of HA, but also the adsorption rate. Therefore, the surface
functional groups and tube diameters of the CNTs also played a significant role in the
adsorption of HA, and the specific surface area, tube diameter and interaction between
the surface functional groups and HA synergistically affected the adsorption rate and
adsorption capacity of HA.

Table 3. Adsorption kinetic parameters of HA on MWNTs and HMWNTs.

Samples

Pseudo-First-Order Models Pseudo-Second-Order Models Intraparticle Diffusion Equation

k1
(min−1)

qe
(mg g−1) R2

k2
(g mg−1

min−1)

qe
(mg g−1)

h0
(mg g−1

min−1)
R2

kint
(mg g−1

min−1/2)

C
(mg g−1) R2

MWNT-1 0.0111 28.28 0.364 6.54 × 10−4 30.30 0.612 0.999 0.5329 11.907 0.945
MWNT-2 0.0076 22.65 0.687 6.54 × 10−4 30.29 0.603 0.999 0.6508 8.476 0.881
MWNT-3 0.0092 27.60 0.831 3.19 × 10−4 25.64 0.214 0.999 0.4424 7.095 0.944

HMWNT-1 0.1258 18.11 0.210 10.65 × 10−4 21.88 0.510 0.999 0.2479 12.478 0.929
HMWNT-2 0.0124 16.50 0.199 3.61 × 10−4 20.45 0.151 0.997 0.2256 8.289 0.973
HMWNTs-3 0.0045 17.60 0.886 4.35 × 10−4 18.45 0.148 0.996 0.4662 2.203 0.905

The values of C and kint are presented in Table 3. The values of kint for the MWNTs
were generally higher than those for the HMWNTs, revealing that the adsorption rate of HA
on MWNTs was higher. This result is consistent with the conclusion of the second-order
kinetic model. The values of C were proportional to the extent of the boundary layer
thickness, that is, the larger the intercept, the greater the boundary layer effect [40]. The
values of C decreased with the increasing tube diameters of the MWNTs and HMWNTs,
indicating that the CNTs with a smaller outer tube diameter had a larger initial adsorption
amount. The C values of MWNT-1 (11.907 mg g−1) and HMWNT-1 (12.478 mg g−1), and
MWNT-2 (8.476 mg g−1) and HMWNT-2 (8.289 mg g−1), were close. The results suggest
that hydroxylation had little effect on the initial adsorption amount of HA on the CNTs
with a smaller outer tube diameter [41]. For the MWNTs with larger outer tube diameters,
hydroxylation had a greater effect on the initial adsorption.

3.5. Effect of HA on CNT Suspension/Sedimentation

In the water environment, the suspension and sedimentation behaviors of nanomate-
rials greatly affect their migration, transformation, fate and ecological effects. Therefore,
the study of the suspension and sedimentation behaviors of MWNTs and HMWNTs with
different tube diameters and surface functional groups is of great significance for under-
standing the ecological risks of CNTs. The effects of the HA concentration on the suspen-
sion/sedimentation behaviors of the MWNTs and HMWNTs are shown in Figure 8. In the
absence of HA, the suspension of the MWNTs was less stable than that of the HMWNTs
with the same tube diameter, which was mainly due to the higher surface negative charge
density. The effect of the tube diameter on the suspension stability of the MWNTs and
HMWNTs was similar, and the CNTs with a smaller tube diameter were more likely to ag-
gregate and settle. The aggregation of the MWNTs and HMWNTs increased their effective
hydraulic diameter with reduced surface tension and intensified sedimentation. Thus, the
CNTs with a smaller tube diameter were more likely to aggregate and sediment in the same
water environment.
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In the presence of HA, the suspension of the CNTs significantly improved with the
increase in the HA concentration. Under the condition of pH = 6.0, the surface of the
CNTs was negatively charged, and HA was adsorbed on the surface of the CNTs through
hydrophobic and π–π interactions [24,26]. The adsorption of HA had two effects on the
suspension of the CNTs. On the one hand, HA increased the surface negative charge
density of the CNTs, which increased the electrostatic repulsion between the CNTs. On
the other hand, the adsorption of HA increased the steric hindrance between the CNTs.
The concentration of HA greatly affected the suspension behavior of the CNTs, and the
suspension performance of the CNTs with different surface functional groups and tube
diameters increased with the increase in the HA concentration. For different surface
functional groups, the adsorption of HA had a greater effect on the suspension of the CNTs
due to the higher HA adsorption amount on the CNTs. For different tube diameters, the
effect of HA on the suspension performance of the CNTs with a smaller tube diameter
was higher than that of the CNTs with a larger tube diameter. Therefore, HA significantly
promoted the suspension of the MWNTs and HMWNTs, and the adsorption amount of HA
was an important factor. CNTs are more easily suspended in the aquatic environment with
a higher concentration of natural organic matter, which leads to a greater impact on the
carbon cycle and a higher ecological risk.

3.6. Fluorescence Spectral Analysis

The fluorescence spectra of HA prior to and after being adsorbed on the surfaces
of the MWNTs and HMWNTs are shown in Figure S6. The characteristic peak of each
spectrum at Ex/Em = 275 nm/510 nm (abbreviated as peak A) is very obvious and has a
wide spectrum coverage. Peak A of HA significantly reduced after the adsorption, which
indicates that HA was successfully adsorbed on the surface of the MWNTs and HMWNTs.
The low fluorescence index (FI) values are rich in aromatic moieties [29,42,43]. The FIs of
the residual HA after being adsorbed on the CNTs with different surface functional groups
and tube diameters were compared (Figure 9). With the increase in the adsorption time,
the FI of the residual HA decreased, indicating that the aromatic groups of HA were more
difficult adsorb on the surface of the CNTs than other parts, especially for the MWNTs.
Therefore, the surface hydroxylation of the CNTs may have increased the adsorption of
aromatic compounds of HA. Meanwhile, the FI of the residual HA increased with the
increase in the tube diameter of the CNTs, thus the MWNTs and HMWNTs with larger
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tube diameters were more likely to adsorb the aromatic groups of HA. Therefore, the tube
diameters and surface functional groups of CNTs not only affect the adsorption amount of
HA, but also the components of HA.
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3.7. Raman Spectroscopy and FTIR Study

The Raman spectra of the MWNTs and HMWNTs prior to and after adsorbing HA are
shown in Figure 10. After HA was adsorbed on the surfaces of the MWNTs and HMWNTs,
there were no significant changes in the positions of the CNTs’ characteristic peaks. The
peaks at 1570 cm−1 (G peak) and 1340 cm−1 (D peak) represent ordered and disordered
carbon stacking microstructures within the CNTs, respectively. Previous studies indicated
that HA also contributed, with Raman peaks at 1379 and 1590 cm−1 originating from the
symmetric vibration of the carboxyl groups, C=C bond vibration of the carboxyl group in
the aromatic group, C-O vibration of the phenolic group and phenol vibration of HA [44].
As the characteristic peaks of the CNTs and HA overlapped to some degree, no significant
changes were found in the Raman spectra of the MWNTs and HMWNTs prior to and
after HA adsorption. However, it can be seen that the intensities of the characteristic
peak significantly increased after HA was adsorbed on the surfaces of the MWNTs and
HMWNTs, which indirectly proves the adsorption of HA.
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The ratio of the D-band to G-band intensities (ID/IG) can be used to characterize the
degree of defects of CNTs. A higher ID/IG value indicates more defects on CNTs [45,46].
The ID/IG values of MWNT-1 and HMWNT-1 were 1.17 and 1.10 (Table 4), respectively,
indicating that the MWNTs had a more disordered structure, and the corresponding specific
surface area was also larger. After the adsorption of HA, the Raman peak intensities of
MWNT-1 and HMWNT-1 had the largest increase, accompanied by the increase in ID/IG.
After the adsorption of HA, the intensity of the characteristic peak in the Raman spectrum
increased the most, and the value of ID/IG also increased, which indicates that the CNTs
with the smallest diameter had the largest adsorption capacity for HA. The reason for
this result may be the coincidence of the characteristic peaks of the CNTs and HA. The
ID/IG values of MWNT-2 and MWNT-3 were smaller than that of MWNT-1, indicating
fewer defects and a smaller specific surface area. The ID/IG values of HMWNT-2 and
HMWNT-3 were very different from that of HMWNT-1, in agreement with the above
results of the adsorption isotherms. After HA was adsorbed on the HMWNTs, the value of
ID/IG decreased due to HA occupying the defect sites. In addition to the G and D peaks,
there were two weak Raman peaks, namely, the 2D peak at 2680 cm−1 and the D + G
peak at 2940 cm−1. The 2D and D + G peaks represent defect-free and disordered carbon
accumulation microstructures, respectively. After HA was adsorbed on the MWNTs and
HMWNTs, the I2D/ID+G values decreased, indicating that the number of defects increased
after the adsorption of HA. This observation is in contrast to the change in the ID/IG value
prior to and after the adsorption of HA. As the peak heights of the 2D and D + G peaks
were much smaller than those of the D and G peaks, the ID/IG value should prevail.

Table 4. Raman parameters of MWNTs and HMWNTs prior to and after HA adsorption.

Samples WG (cm−1) WD (cm−1) W2D (cm−1) WD+G (cm−1) ID/IG I2D/ID+G

MWNT-1 1575 1340 2672 2895 1.17 2.24
MWNT-1 + HA 1573 1337 2675 2910 1.20 1.94

MWNT-2 1573 1339 2672 2893 1.01 2.55
MWNT-2 + HA 1576 1341 2675 2895 0.96 2.25

MWNT-3 1568 1340 2673 2922 1.08 2.03
MWNT-3 + HA 1577 1344 2683 2928 1.03 1.72

HMWNT-1 1571 1341 2673 2929 1.10 2.54
HMWNT-1 + HA 1570 1335 2667 2895 1.24 1.72

HMWNT-2 1571 1336 2671 2895 1.07 2.18
HMWNT-2 + HA 1575 1341 2673 2916 0.99 1.97

HMWNT-3 1570 1340 2674 2910 1.12 2.39
HMWNT-3 + HA 1574 1342 2677 2922 1.06 2.08

In order to explain the mechanism of adsorption, Fourier-transform infrared spec-
troscopy (FTIR) was used to study the surface chemical reactions during adsorption
(Figure 11). The spectrograms of each CNT had two obvious characteristic peaks near
1160 and 3430 cm−1, and 3430 cm−1 corresponds to the stretching vibration absorption
peak of the -OH bond [47]. The absorption peak near 1160 cm−1 is the stretching vibration
peak of C-O in the carboxyl group [48], and the peak increased significantly after the adsorp-
tion of HA. In addition, each CNT had a weak peak near 2915 cm−1 and 1400 cm−1, which
represent the tensile vibration of the benzene ring and C-C in the carbon nanotube [49]. The
peak at 1700 cm−1 represents the vibration peak of C=O in the carboxyl group [49,50], indi-
cating that the CNTs were grafted to carboxyl groups on the surface. Peaks at 1625 cm−1

were observed for MWNT-2 and HMWNT-2, and the peak strength decreased after HA
adsorption, indicating the release of hydroxyl groups [48]. The vibration peak at 1575 cm−1

represents the E1u vibration mode of the carbon nanotube wall, which is caused by the
stretching vibration of the C=C skeleton in the carbon ring [47], indicating the existence of
a graphite structure in the CNTs. The infrared spectra of the CNTs after HA attachment
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showed an obvious vibration peak at 1575 cm−1, indicating that the overall structure of the
CNTs was not damaged to a large extent after HA adsorption.
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3.8. Atomic Adsorption Theory Analysis Based on DFT

The crystal surface model of the carbon nanotubes was based on the first principles
of density functional theory (DFT). The simulation was carried out in a cubic box of
20 ×19.67 × 36.00 Angstrom3. There were 16 -OH groups that were used to modify the
carbon nanotube CNT(8,8). Figure 12a shows the atomic arrangement of HA absorbed on
the MWNTs, where C-C was neatly arranged in the MWNTs. Figure 12b shows the atomic
arrangement of HA absorbed on the HMWNTs, with an O atom bonded to a H atom, which
was uniformly attached to the C atom in the HMWNTs. HA molecules were uniformly
adsorbed on the surface of the MWNTs and HMWNTs, and HA was parallel to the surface
of the MWNTs and HMWNTs. Figure 12c shows the charge difference between the HA
molecules and HMWNTs.
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The dark gray, light gray and red balls represent carbon, hydrogen and oxygen atoms,
respectively.

The adsorption energy (Ead) value determines the adsorption stability, and the ad-
sorption energy of HA molecules was calculated by Equation (7).
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The adsorption energy is defined as

Ea = Emol/sur − Emol − ρsur (7)

where Emol/sur, Emol and Esur are the DFT energy of the molecule adsorbed on surface, and
of the molecule and surface.

The charge density difference is defined as

∆ρ = ρmol/sur − ρmol − ρsur (8)

where ρmol/sur, ρmol and ρsur are the electron density of the molecule adsorbed on the
surface, and the individual electron densities of the molecule and surface.

The adsorption energy of the molecule on HMWNTs (8,8) was about −2.40 eV, while
that on MWNTs (8,8) was about −1.45 eV. This demonstrates that HA was more likely to
be adsorbed on the surface of the MWNTs, and that the adsorption was relatively stable,
which is also consistent with the results of the adsorption isotherm studies. Therefore, in
the natural aquatic environment, MWNTs are more likely to absorb organic pollutants than
HMWNTs, resulting in a higher ecological risk.

4. Conclusions

The adsorption amount of HA on both the MWNT and HMWNT surfaces gradually
decreased with the increase in the solution pH and tube diameters. At the same tube
diameter, the surface hydroxylation prevented the adsorption of HA on the surface of the
CNTs. The adsorption rate on the surface of the MWNTs was much higher than that on
the surface of the HMWNTs. The suspension of the HMWNTs was higher than that of
the MWNTs with the same tube diameter, and the suspension of the CNTs increased with
the increase in the tube diameter. The adsorption amount of HA on the surface of the
CNTs determined the suspension behavior of the CNTs. Compared with the MWNTs, the
HMWNTs could more easily adsorb the aromatic moieties of HA. The adsorption of HA
reduced the surface defects of the MWNTs and HMWNTs. Therefore, a larger diameter
and surface hydroxylation enhanced the suspension of the CNTs, and HA had a positive
effect on the suspension behavior of the CNTs in the water environment and enhanced the
migration ability of the CNTs, leading to higher potential ecological risks.
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Abbreviations

CNTs carbon nanotubes
MWNTs multiwall CNTs
HMWNTs hydroxylated MWNTs
HA humic acid
MWNT-1 MWNTs with outer tube diameters of 4–6 nm
MWNT-2 MWNTs with outer tube diameters of 5–15 nm
MWNT-3 MWNTs with outer tube diameters of 20–30 nm
HMWNT-1 HMWNTs with outer tube diameters of 4–6 nm
HMWNT-2 HMWNTs with outer tube diameters of 5–15 nm
HMWNT-3 HMWNTs with outer tube diameters of 20–30 nm
Q1 and Q2 in Table 1 the maximum charge densities of the two classes of binding sites
LogK1 and LogK2 in Table 1 logK values for proton binding by the two classes of sites
N in Table 1 the number of fitted titration data points
TEM transmission electron microscopy
Ce in sedimentation test absorbance at different times in sedimentation test of CNTs
C0 in sedimentation test initial absorbance in sedimentation test of CNTs
R2 correlation coefficient
Em scanning emission of fluorescence spectral analysis
Ex scanning excitation of fluorescence spectral analysis
FI fluorescence index of fluorescence spectral analysis
FTIR Fourier-transform infrared spectroscopy
DFT density functional theory
BET (m2 g−1) specific surface area
OD (nm) outer tube diameter
qe (mg g−1) amount of HA adsorbed at equilibrium
Ce (mg L−1 concentration of HA in solution at equilibrium
qm (mg g−1) maximum adsorption capacity
kL (L g−1) Langmuir equilibrium constant
kF (mg1−(1/n)L1/n g−1) Freundlich parameters
n in Table 2 and Equation (2) Freundlich parameters
k1 (min−1) the first-order adsorption rate constant
k2 (g mg−1 min−1) the
second-order adsorption rate
constant;
t (min) adsorption time
qt (mg g−1) the amount of HA adsorbed by CNTs at time t
ID D-band intensity in Raman spectroscopy
IG G-band intensity in Raman spectroscopy
k(mg2 mg−2) a constant related to the adsorption amount
at constant of Equation S(1)
bt constant of Equation S(1)
R (8.314 J (mol K)−1) in
Equation S(1) and Equation S(3)

the ideal gas constant

T (K) the thermodynamic temperature
ε the adsorption potential
C in Table 3 and Equation (6) the intercept in the intraparticle diffusion rate
kint (mg g−1 min−1/2) the intraparticle diffusion rate constant
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38. Karaca, S.; Gürsesa, A.; Açışlıö, O.; Hassania, A.; Kiransan, M.; Yikilmaz, K. Modeling of adsorption isotherms and kinetics of

Remazol Red RB adsorption from aqueous solution by modified clay. Desalin. Water Treat. 2013, 51, 2726–2739. [CrossRef]
39. Chung, H.K.; Kim, W.H.; Park, J.; Cho, J.; Jeong, T.Y.; Park, P.K. Application of Langmuir and Freundlich isotherms to predict

adsorbate removal efficiency or required amount of adsorbent. J. Ind. Eng. Chem. 2015, 28, 241–246. [CrossRef]
40. Wu, F.C.; Tseng, R.L.; Juang, R.S. Initial behavior of intraparticle diffusion model used in the description of adsorption kinetics.

Chem. Eng. J. 2009, 153, 1–8. [CrossRef]
41. Kumar, B.G.P.; Shivakamy, K.; Miranda, L.R.; Velan, M. Preparation of steam activated carbon from rubberwood sawdust (Hevea

brasiliensis) and its adsorption kinetics. J. Hazard. Mater. 2006, 136, 922–929.
42. Ateia, M.; Ran, J.; Fujii, M.; Yoshimura, C. The relationship between molecular composition and fluorescence properties of humic

substances. Int. J. Environ. Sci. Technol. 2017, 14, 867–880. [CrossRef]
43. Shimabuk, K.K.; Kennedy, A.M.; Mulher, R.E.; Summers, R.S. Evaluating activated carbon adsorption of dissolved organic matter

and micropollutants using fluorescence spectroscopy. Environ. Sci. Technol. 2017, 51, 2676–2684. [CrossRef] [PubMed]
44. Roldán, M.L.; Corrado, G.; Francioso, O.; Sanchez-Cortes, S. Interaction of soil humic acids with herbicide paraquat analyzed by

surface-enhanced Raman scattering and fluorescence spectroscopy on silver plasmonic nanoparticles. Anal. Chim. Acta 2011, 699,
87–95. [CrossRef]

45. Martínez, M.T.; Callejas, M.A.; Benito, A.M.; Cochet, M.; Maser, W.K. Sensitivity of single wall carbon nanotubes to oxidative
processing: Structural modification, intercalation and functionalisation. Carbon 2003, 41, 2247–2256. [CrossRef]

46. Qian, W.Z.; Wei, F.; Liu, T.; Wang, Z.W.; Li, Y.D. What causes the carbon nanotubes collapse in a chemical vapor deposition
process. J. Chem. Phys. 2003, 118, 878–882. [CrossRef]

47. Stobinski, L.; Lesiak, B.; Kovér, L.; Tóth, J.; Biniak, S.; Trykowski, G.; Judek, J. Multiwall carbon nanotubes purification and
oxidation by nitric acid studied by the FTIR and electron spectroscopy methods. J. Alloys Compd. 2010, 501, 77–84. [CrossRef]

48. Yang, K.; Lin, D.H.; Xing, B.S. Interactions of humic acid with nanosized inorganic oxides. Langmuir ACS J. Surf. Colloids 2009, 25,
3571–3576. [CrossRef]

49. Wu, W.; Shan, G.Q.; Xiang, Q.; Zhang, Y.Q.; Yi, S.J.; Zhu, L.Y. Effects of humic acids with different polarities on the photocatalytic
activity of nano-TiO2 at environment relevant concentration. Water Res. 2017, 122, 78–85. [CrossRef]

50. Chen, H.F.; Li, Q.; Wang, M.X.; Ji, D.B.; Tan, W.F. XPS and two-dimensional FTIR correlation analysis on the binding characteristics
of humic acid onto kaolinite surface. Sci. Total Environ. 2020, 724, 138–154. [CrossRef]

83



Citation: Wang, S.; Fu, Y.; Zheng, S.;

Xu, Y.; Sun, Y. Phytotoxicity and

Accumulation of Copper-Based

Nanoparticles in Brassica under

Cadmium Stress. Nanomaterials 2022,

12, 1497. https://doi.org/10.3390/

nano12091497

Academic Editor: Thierry Rabilloud

Received: 28 March 2022

Accepted: 22 April 2022

Published: 28 April 2022

Publisher’s Note: MDPI stays neutral

with regard to jurisdictional claims in

published maps and institutional affil-

iations.

Copyright: © 2022 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

nanomaterials

Article

Phytotoxicity and Accumulation of Copper-Based Nanoparticles
in Brassica under Cadmium Stress
Shiqi Wang 1,2,3, Yutong Fu 1,2,3, Shunan Zheng 4, Yingming Xu 2,3 and Yuebing Sun 2,3,*

1 College of Resources and Environment, Northeast Agricultural University, Harbin 150030, China;
wwp875822270@163.com (S.W.); 18845141255@163.com (Y.F.)

2 Key Laboratory of Original Agro-Environmental Pollution Prevention and Control, Agro-Environmental
Protection Institute, Ministry of Agriculture and Rural Affairs (MARA), Tianjin 300191, China;
ymxu1999@126.com

3 Tianjin Key Laboratory of Agro-Environment and Agro-Product Safety, Agro-Environmental Protection
Institute, Ministry of Agriculture and Rural Affairs (MARA), Tianjin 300191, China

4 Rural Energy & Environment Agency, Ministry of Agriculture and Rural Affairs (MARA),
Beijing 100125, China; zhengshunan1234@163.com

* Correspondence: sunyuebing2008@126.com

Abstract: The widespread use of copper-based nanoparticles expands the possibility that they enter
the soil combined with heavy metals, having a toxic effect and posing a threat to the safety of
vegetables. In this study, single and combined treatments of 2 mg/L Cd, 20 mg/L Cu NPs and
20 mg/L CuO NPs were added into Hoagland nutrient solution by hydroponics experiments. The
experimental results show that copper-based Nanoparticles (NPs) can increase the photosynthetic
rate of plants and increase the biomass of Brassica. Cu NPs treatment increased the Superoxide
Dismutase (SOD), Peroxidase (POD) and catalase (CAT) activities of Brassica, and both NPs inhibited
ascorbate peroxidase (APX) activity. We observed that Cd + Cu NPs exhibited antagonistic effects on
Cd accumulation, inhibiting it by 12.6% in leaf and 38.6% in root, while Cd + CuO NPs increased
Cd uptake by 73.1% in leaves and 22.5% in roots of Brassica. The Cu content in the shoots was
significantly negatively correlated with Cd uptake. The Cd content of each component in plant
subcellular is soluble component > cytoplasm > cell wall. Cu NPs + Cd inhibited the uptake of Zn,
Ca, Fe, Mg, K and Mn elements, while CuO NPs + Cd promoted the uptake of Mn and Na elements.
The results show that copper-based nanoparticles can increase the oxidative damage of plants under
cadmium stress and reduce the nutritional value of plants.

Keywords: copper-based nanoparticles; phytotoxicity; bioaccumulation; nutrient element

1. Introduction

Cadmium (Cd) is one of the most biologically toxic heavy metals. Cd pollution in
farmland not only reduces soil quality and crop yield, but also threatens the health and
well-being of animals and humans through the food chain [1]. The long-term consumption
of high levels of Cd can lead to hypercalciuria, renal failure, anemia and even death.
Cd can be toxic to organisms even at very low concentrations, and can also be toxic to
plants when the total concentration exceeds 8 mg/kg [2]. According to the National Soil
Pollution Survey Bulletin, the excess rate of Cd in China reached 7.0, showing a trend of
gradually increasing from northwest to southeast and from northeast to southwest [3]. A
meta-analysis of heavy metals in Chinese farmland and urban soil showed that Cd was the
most commonly polluted heavy metal in Chinese soil, accounting for 33.54% and 44.65% of
farmland and urban soil pollution, respectively [4].

Cu-based nanoparticles (NPs) have unique properties such as small volume, large
specific surface area, high activation energy and many active sites. They have great
application potential in industrial, agricultural and commercial fields. There are data to
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prove that in 2010, the global production of copper-based NPs was 200 tons per year, and
it is increasing year by year [5]. Additionally, some studies are exploring the feasibility
of using copper-based nanomaterials as nano-fertilizers [6,7], which increases the risk
of their entry into the soil environment due to transportation, application, leakage, etc.
Copper-based nanoparticles will be absorbed by plants after entering the soil. At low
doses, they will have a stimulating effect on plants, which can promote plant growth
and development and improve plant tolerance to adverse environmental stress [8], but
high doses cause toxic effects on plants [3]. Metal element/metal oxide nanomaterials
can also release metal ions, causing cellular oxidative stress and poisoning plants. Studies
have shown that the addition of CuO NPs reduced the seed germination rate and the
rhizome length of seedlings, decreased root cell viability, and increased the generation of
plant reactive oxygen species (ROS) and lipid peroxidation [9,10]. Cu NPs can alter the
activity of antioxidant enzymes in plants and activate the antioxidant enzyme defense
mechanism against ROS [11]. Copper-based NPs can inhibit the accumulation of nutrient
elements, thereby affecting human nutrient intake [12]. Copper-based NPs also affect plant
genes; studies have shown that when plants are exposed to different concentrations of CuO
NPs, the expressions of the CuZn-superoxide dismutase (CuZnSOD) gene, CAT gene and
APX gene in roots are increased to varying degrees [10]. Depending on the plant species,
the applied concentration of NPs and the particle size of NPs, different toxic effects will
be exhibited.

In addition to causing nanotoxicity, nanoparticles can also adsorb other pollutants,
and when they enter the environment, they can act synergistically or antagonistically with
heavy metals present in the environment. At present, some studies have investigated
the plant performance of other nanomaterials under the combined stress of heavy metal
cadmium, but different types of NPs and heavy metals, application ratios, plant species
and culture conditions will lead to different toxic effects. Cd2+ and TiO2 NPs exhibited
different combined toxicity patterns against Scenedesmus obliquus at different combined
exposure concentrations. Antagonistic effects were exhibited at low doses, and partial
additive and synergistic combined toxicity occurred when the proportion of TiO2 NPs was
increased [13]. ZnO NPs at a concentration of 25 mg/L promoted the growth of Leucaena
Leucocephala seedlings under cadmium and lead stress, increased the activities of SOD, CAT
and other antioxidant enzymes, and significantly decreased the malonaldehyde (MDA)
content [14]. After wheat seeds soaked in Fe NPs and ZnO NPs solution were sown in
Cd-contaminated soil, the dry weight of wheat was positively correlated with the amount
of NP added, which significantly reduced the Cd content of each part of the plant [15]. To
date, most studies have focused on the negative effects of copper-based nanomaterials or
cadmium alone on plants, and it is crucial to explore the physiological performance and
toxicity mechanisms of plants under the combined stress of the two.

Brassica (Brassica campestris L. ssp. chinensis Makino var. communis Tsen et Lee) is
widely grown in the north and south of China and has strong enrichment for heavy metal
Cd. In this experiment, parameters such as photosynthetic rate, biomass, antioxidant
enzyme activity, plant absorption of heavy metals, nutrient element content and plant
subcellular element content were determined, in order to explore the combined toxicity
of copper-based nanoparticles and Cd in plants. This provided a reference for the in-
depth study of the toxicity mechanism of copper-based nanoparticles combined with
heavy metals.

2. Materials and Methods
2.1. Cu and CuO NPs Characterization

Nanomaterials were purchased from Zhejiang Ailu Chemical Technology Co., Ltd.
(Li Shui City, China). The characterization revealed that the purity of Cu NPs exceeded
99.9%, with a size of 10−30 nm and specific surface area of 6.99 m2·g−1. CuO NPs purity
exceeded 99.5%, particle size was 40 nm and specific surface area was 2.84 m2·g−1.
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2.2. Hydroponic Experiment Design and Exposure Conditions

Seeds of Brassica were purchased from Cangzhou Heshuo Agricultural Technology
Co., Ltd. (Cangzhou, China). The seeds were washed in deionized water, and the growing
medium was vermiculite. After the seedlings were taken out and the roots carefully
washed, the Brassica seedlings were transferred to hydroponic boxes and incubated with
Hoagland nutrient solution for 20 days. The ratio of Hoagland nutrient solution is shown
in Table S1. For nanoparticle exposure, according to the effective concentration of previous
hydroponic experiments [11,16–18], we set the experimental NPs concentration as 20 mg/L.
Five treatments were designed, including Cd (2 mg/L Cd), Cu NPs (20 mg/L Cu NPs), CuO
NPs (20 mg/L CuO NPs), Cd + Cu NPs (2 mg/L Cd + 20 mg/L Cu NPs), and Cd + CuO
NPs (2 mg/L Cd + 20 mg/L CuO NPs). Each treatment was repeated three times. Each
hydroponic box was equipped with an aerator to provide oxygen to the roots while keeping
the NPs in suspension. After culturing for 7 days, all the Brassica plants were collected to
measure various indicators.

2.3. Determination of Physiological Indicators

The photosynthetic rate (Pn) of Brassica was measured by a portable photosynthesis
measurement system at 10:00 a.m. every day. After 7 days, plants were separated into
underground parts and aboveground parts and soaked in 10 mmol·L−1 Na2-EDTA solution
for 40 s, to remove metal ions adhering to the root surface. After rinsing with ultrapure
water, each part of the fresh sample was weighed with an analytical balance. The fresh
samples were refrigerated at −80 ◦C for later use. The Brassica tissues were oven-dried for
7 days at 80 ◦C and weighed to record the biomass. The oven-dried tissues were ground to
powder for subsequent use.

2.4. Determination of Cu, Cd and Other Nutrient Elements

Approximately 0.25 g of the sample was soaked and digested with 8 mL of concen-
trated HNO3, and the contents of copper, cadmium and nutrients in Brassica were deter-
mined by inductively coupled plasma mass spectrometer (ICP-MS, Waltham, MA, USA).

2.5. Determination of Subcellular Cu, Cd and Nutrient Elements

The experimental method refers to Li et al. [19]. A total of 3 g of fresh samples was
centrifuged at 2000 rpm at 4 ◦C for 5 min in the pre-cooled extraction solution (50 mM
Tris–HCl, 250 mM sucrose, and 1.0 mM DTE (C4H10O2S2), pH 7.5). The precipitate was
obtained and defined as the ‘cell wall fraction’. The filtrate was transferred to a special
tube for a refrigerated centrifuge and centrifuged at 11,900 rpm at 4 ◦C for 45 min. The
deposit was referred to as the ‘organelle fraction’, and the supernatant solution as the
‘soluble fraction’. After the drying and digestion of each component, ICP-MS was used
for determination.

2.6. Determination of Antioxidant Enzyme Activity

The enzyme activity of Brassica was measured in leaves and root. Peroxidase (POD)
activity was determined by the guaiacol method, CAT activity was determined by the
potassium permanganate titration method, and superoxide dismutase (SOD) activity was
determined by the nitrogen blue tetrazolium photoreduction method [20].

Ascorbate peroxidase (APX) activity was determined as follows: 0.1 g of plant tissue
was homogenized in an ice bath and centrifuged at 4 ◦C for 20 min. To the supernatant
was added K2HPO4-KH2PO4 buffer, 0.3 mmol·L−1 ascorbic acid (AsA), 0.1 mmol·L−1

EDTA-2NA and 0.06 mmol·L−1 H2O2. After rapid mixing, the absorbance was measured
at 290 nm for 10 and 130 s [21]. The unit of antioxidant enzyme activity is U·g−1.

2.7. Statistical Analysis

The results are presented as means ± standard errors of 3 replicates. One-way analysis
of variance (one-way ANOVA) was used to determine statistical differences between
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treatments, followed by an LSD test performed by IBM SPSS Statistics 26. “p < 0.05” was
used for statistical significance.

3. Results
3.1. Photosynthesis and Plant Growth

The photosynthetic rate was measured from the first to the seventh day of hydroponics
of Brassica (Table 1). The treatments showed a more obvious change on days 5–7 as
the experimental time increased. Consistent with previous research [22,23], compared
with CuO NPs treatment, heavy metal Cd significantly inhibited the photosynthetic rate
of Brassica by 10.02–12.64%. In the measurement of photosynthetic rate in each group
within seven days, the photosynthetic rate of CuO NPs treatment was the highest, and the
photosynthetic rate of other treatments showed different degrees of decline. Compared with
CuO NPs treatment, the photosynthetic rate of the Cu NPs group decreased by 1.07–4.47%.
The copper-based nanoparticles alleviated the stress of Cd on the photosynthesis of Brassica
to a certain extent. Compared with the Cd treatment group, the photosynthetic rate of the
Cu NPs + Cd group and the CuO NPs + Cd group both increased, and the results were
similar to those of the treatment without heavy metals. In contrast, CuO NPs showed a
more significant photosynthesis promotion effect, being increased by 10.2–19.6%. Although
the increase in photosynthetic rate was also observed in the Cu NPs group, most changes
were not significant.

Table 1. Effect of Cu NPs, CuO NPs and Cd on photosynthetic rate of Brassica from 1 to 7 days. The
means are averaged from three replicates, and the error bars correspond to the standard deviations
of the three values. Different letters above each column indicate a significant difference among
treatments in the same group (p < 0.05).

D1 D2 D3 D4 D5 D6 D7

Cd 39.68 ± 1.83 b 38.79 ± 0.65 c 38.80 ± 3.22 c 38.76 ± 3.16 b 37.91 ± 1.48 c 38.59 ± 1.82 c 38.46 ± 3.23 c
Cu NPs 41.37 ± 4.19 b 43.76 ± 2.11 ab 44.26 ± 1.61 ab 44.53 ± 4.84 ab 44.15 ± 2.74 b 44.53 ± 1.28 b 44.60 ± 2.28 ab

CuO NPs 47.30 ± 2.74 a 47.06 ± 3.13 a 47.57 ± 1.42 a 48.14 ± 5.41 a 48.42 ± 1.67 a 49.31 ± 2.61 a 49.86 ± 3.77 a
Cu NPs + Cd 40.87 ± 1.14 b 41.23 ± 1.22 bc 41.54 ± 1.40 bc 42.44 ± 1.88 ab 42.54 ± 0.70 b 42.90 ± 1.80 b 42.76 ± 1.47 bc

CuO NPs + Cd 43.96 ± 3.51 ab 43.48 ± 1.24 ab 43.44 ± 2.56 ab 43.51 ± 2.04 ab 43.42 ± 1.53 b 43.45 ± 2.25 b 45.98 ± 3.34 ab

Figure 1 showed the measurement results of the fresh and dry weights of the leaves and
roots of Brassica, root fresh weight was not significantly affected by any of the treatments.
Cd had a certain inhibitory effect on the biomass of Brassica. The fresh and dry weights of
Brassica under the CuO NPs treatment were the largest among the five treatments (50.65 g
and 6.22 g in the shoots, and 3.93 g and 0.37 g in the roots, respectively). Cu NPs and CuO
NPs promoted the fresh weight increase of Brassica under Cd stress by 41.0% and 44.4%,
respectively. Compared with the Cd group, the dry weight of Brassica in the Cd + Cu NPs
treatment showed a slight increase (2.5% above ground and 3.2% below ground), but these
data were not statistically significant. A significant increase in dry weight was observed in
the Cd + CuO NPs group (17.4% above ground and 39.8% below ground). This indicates
that the two copper-based nanoparticles can alleviate the inhibitory effect of Cd on the
biomass of Brassica to a certain extent, and the effect of CuO NPs is more obvious.
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3.2. Antioxidase Activity

In this experiment, the activities of SOD, POD and CAT in the underground parts of
each treatment did not change significantly (Figure 2). The activities of four antioxidant
enzymes in the leaves of Brassica treated with CuO NPs were significantly lower than
those of Cu NPs (SOD, POD and CAT activities decreased by 41.8%, 40.0% and 14.58%,
respectively). The SOD, POD, and CAT activities of the three treatments contaminated with
Cd were Cd + Cu NPs > Cd > Cd + CuO NPs. Compared with the Cd treatment group, Cu
NPs promoted the SOD, POD and CAT activities of Brassica under Cd stress by 51.3%, 18.2%
and 32.65%, respectively. However, the increase in POD activity in the Cu NPs + Cd group
was not significant. In contrast to Cu NPs, although CuO NPs did not significantly change
the SOD, POD, and CAT activities of Cd-treated Brassica, a weak decrease in enzymatic
activity was observed. The above-ground and below-ground activities of APX under the
treatments of Cu NPs and CuO NPs showed opposite effects. The activity of the APX group
in the Cu NPs leaves was much higher (1.68 times) than that in the CuO NPs group, while
the APX activity in the roots decreased by 20.6% compared with the CuO NPs treatment.
Under cadmium stress, NPs did not significantly change the APX activity in roots. It was
observed that compared with Cd treatment, the APX activity of the Cu NPs + Cd and CuO
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NPs + Cd groups was significantly inhibited in the shoots, being reduced by 17.26% and
38.49%, respectively.
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Figure 2. Effect of Cu NPs, CuO NPs and Cd on SOD activity (a), POD activity (b), CAT activity
(c) and APX activity (d) of Brassica. The means are averaged from three replicates, and the error
bars correspond to the standard deviations of the three values. Different letters above each column
indicate a significant difference among treatments in the same group (p < 0.05).

3.3. Uptake of Cu and Cd

The Cu and Cd contents in Brassica were determined by the above method (Figure 3).
Comparing the two types of nanoparticles, the Cu NPs-treated aboveground Cu accumula-
tion was 2.99 times that of the CuO NPs-treated group, but the underground Cu content
(1402.07 mg·kg−1) was much lower than that of the CuO NPs group (5594.39 mg·kg−1). For
the aboveground Cu content of the Cd + Cu NPs and Cd + CuO NPs groups, we observed
two opposite influence trends. Compared with Cd treatment, Cu NPs increased by 88.4%
while CuO NPs decreased by 15.4%, both trends showing significant changes. Different
from the above-ground part, both Cu-containing nanoparticles significantly promoted the
accumulation of Cu content in the underground part of Brassica, which was 25.58 times and
54.10 times that of the Cd treatment, respectively. The total copper content in Brassica in the
CuO NPs + Cd group was much higher than that in the Cu NPs + Cd group, but it was
mostly accumulated in the roots of Brassica, and only a small amount was transported to
the shoots.
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Figure 3. The effects of Cu NPs, CuO NPs and Cd on Cu (a), Cd (b), subcellular Cu (c) and subcellular
Cd (d) content. The mean is the mean of three replicates and the error bars correspond to the standard
deviation of the three values. Different letters above each column indicate significant differences
among treatments in the same group (p < 0.05).

By comparing the Cd content of Brassica after adding two kinds of copper-based
nanoparticles, it was found that compared with Cd treatment, Cu NPs showed an inhibitory
effect on the absorption of heavy metal Cd in Brassica. Cu NPs + Cd decreased by 12.6%
and 38.6% in leaves and roots, respectively, but there was no significant difference in the
changes in leaves. On the contrary, the addition of CuO NPs increased the accumulation of
Cd in the plants. Compared with the Cd group, the Cd content in the leaves and roots of
Brassica increased significantly, increasing by 73.1% and 22.5%, respectively.

The subcellular Cu and Cd contents were determined using fresh Brassica leaf samples
from each treatment, and the subcellular Cu content in the shoots is shown in Figure 3c.
The subcellular Cu content of Brassica after Cu NPs treatment was higher than that of CuO
NPs treatment. This is consistent with the results for the total Cu content in the shoots.
Under Cd pollution, the copper-containing nanoparticles all caused the Cu content in each
component in the subcellular to increase significantly. Compared with the Cd group, the
proportion of Cu content in the soluble fraction of the Cu NPs + Cd treatment increased
significantly, while the proportion of Cu content in the cell wall in the CuO NPs + Cd
group also increased significantly. The Cd content in each subcellular component also
showed an upward trend: the Cd content in Cu NPs + Cd and CuO NPs + Cd organelles
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increased by 130.8% and 221.9%, in the cell wall by 151.4% and 330.3%, and in the soluble
fraction by 353.7% and 597.6%, respectively. The subcellular Cd content of Brassica mainly
accumulated in the soluble fraction of cells.

3.4. Nutrient Element Content

The effects of different treatments on the nutrient content of Brassica are shown in
Table 2. Compared with the Cu NPs treatment, the contents of nutrient elements in the
CuO NPs group were increased in the underground part, while the contents of other
elements in the aboveground parts were not statistically significant, except for Mn and
Na elements, which decreased significantly. Compared with the Cd group, the contents
of nutrient elements in roots measured in Cu NPs + Cd and CuO NPs + Cd treatments all
increased to varying degrees. The change in Fe and Ca elements was consistent, and the
content of aboveground elements decreased significantly. Fe content in leaves decreased
significantly by 46.6% and 43.1%, and Ca content decreased by 22.86% and 17.48%. Cu
NPs also significantly inhibited the absorption of Zn, Mg, and K elements in the leaves of
Brassica under Cd treatment. The contents of Ca in the upper part of the ground decreased
after the addition of CuO NPs. Cu NPs reduced the uptake of Mn elements in leaves,
whereas CuO NPs showed a promotion effect on the uptake of Mn and Na elements (the
contents of Mn and Na elements in leaves were increased by 24.3% and 28.3%, respectively).

Table 2. Effects of Cu NPs, CuO NPs and Cd on nutrient content. The mean is the mean of three
replicates and the error bars correspond to the standard deviation of the three values. Different letters
above each column indicate significant differences among treatments in the same group (p < 0.05).

Nutrition
Elements Cd Cu NPs CuO NPs Cu NPs + Cd CuO NPs + Cd

Zn
Leaves 90.54 ± 20.71 a 79.28 ± 14.20 ab 71.15 ± 7.23 ab 62.87 ± 6.01 b 69.45 ± 6.52 ab

Roots 80.30 ± 11.96 b 82.60 ± 3.43 b 98.59 ± 8.42 ab 91.28 ± 8.32 ab 121.82 ± 37.70 a

Ca
Leaves 82.83 ± 0.45 a 74.54 ± 1.86 b 73.57 ± 4.32 b 63.90 ± 4.52 c 68.35 ± 6.98 bc

Roots 77.28 ± 5.16 b 87.23 ± 2.53 ab 90.09 ± 4.50 a 91.03 ± 8.78 a 89.30 ± 5.32 a

Fe
Leaves 5.77 ± 0.03 a 2.76 ± 0.21 c 2.99 ± 0.18 bc 3.08 ± 0.07 bc 3.27 ± 0.22 b

Roots 98.04 ± 7.98 b 99.66 ± 5.10 b 147.11 ± 28.01 a 130.31 ± 19.82 ab 114.49 ± 18.89 ab

Mg
Leaves 108.24 ± 4.42 a 88.25 ± 3.10 b 84.02 ± 3.23 b 83.87 ± 1.62 b 110.48 ± 3.55 a

Roots 55.16 ± 3.31 c 53.72 ± 2.17 c 85.38 ± 10.34 a 80.46 ± 8.76 ab 72.38 ± 1.34 b

K
Leaves 945.79 ± 51.23 ab 911.33 ± 42.53 b 949.09 ± 26.97 ab 745.87 ± 22.82 c 1001.68 ± 46.02 a

Roots 474.67 ± 43.25 c 493.99 ± 10.67 c 774.41 ± 79.53 a 602.24 ± 67.05 b 697.33 ± 43.84 ab

Mn
Leaves 118.64 ± 1.80 b 116.79 ± 7.25 b 97.33 ± 4.48 d 109.15 ± 2.02 c 147.43 ± 2.11 a

Roots 40.12 ± 4.71 cd 34.86 ± 0.79 d 64.93 ± 14.16 a 49.12 ± 5.01 bc 54.35 ± 4.94 ab

Na
Leaves 21.22 ± 0.80 b 21.45 ± 0.91 b 18.07 ± 0.56 c 22.13 ± 0.28 b 27.25 ± 1.06 a

Roots 93.52 ± 6.34 b 101.82 ± 5.99 ab 103.50 ± 12.14 ab 92.38 ± 7.96 b 108.56 ± 1.90 a

Figure 4 is the determination result of the change in nutrient elements in the subcellular
components of Brassica. Comparing the two NPs, only the Mg content of CuO NPs was
significantly increased, by 20.7% compared with Cu NPs. The subcellular contents of other
nutrients were not statistically significant. Except for Mn, the addition of NPs all decreased
the content of nutrient elements in the subcellular components of Brassica under cadmium
stress. Compared with the Cd group, Cu NPs + Cd and CuO NPs + Cd increased the content
of Mn element in the subcellular plant components by 93.66% and 55.43%, respectively, but
the changes in CuO NPs treatment showed no significant effect. The same decreasing trend
was observed for the subcellular contents of the three nutrient elements Ca, Fe, and Mg
by NPs. CuO NPs significantly reduced the subcellular content of these three elements by
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22.84%, 5.76%, and 18.10%, but Cu NPs did not have significant effects. Compared with Cd
treatment, copper-based nanoparticles significantly inhibited the absorption of subcellular
K and Na elements, which were reduced by 33.83% and 54.91% in the Cu NPs + Cd group,
and 30.70% and 40.23% in the CuO NPs + Cd group.
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Figure 4. Effects of Cu NPs, CuO NPs and Cd on the subcellular contents of Ca (a), Fe (b), Mg (c),
K (d), Mn (e) and Na (f). The mean is the mean of three replicates and the error bars correspond to
the standard deviation of the three values. Different letters above each column indicate significant
differences between treatments in the same group (p < 0.05).
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4. Discussion

Cadmium toxicity to plants was observed at the whole plant as well as at the cellular
and molecular levels, including energy transfer, photosynthesis, nutritional dysregulation
and protein synthesis. Cd can significantly inhibit the photosynthetic rate and growth of
plants, and photosynthesis is highly sensitive to Cd and other heavy metal ions [24]. In
the present study, copper-based nanoparticles promote the photosynthesis rate of Brassica
under Cd stress (Table 1). Metal nanoparticles can promote photosynthesis in plants and
increase the content of chlorophyll and carotenoids in plants [25]. Govorov et al. believe
that metal NPs can improve the efficiency of chemical energy generation in photosynthetic
systems [26]. Some studies have shown that copper-based nanoparticles can play a key
role in photosynthesis by enhancing chloroplast photosynthetic activity by modulating
fluorescence emission, the electron transport chain (ETC), carbon assimilation pathways
and photophosphorylation [27]. Plant photosynthesis is very sensitive to Cu [28,29]. Cu
plays important roles in mitochondrial respiration, the electron transport chain, photo-
synthesis, cell wall metabolism and lignin synthesis [30]. Lower concentrations of Cu can
promote plant photosynthesis to a certain extent, and the effect is manifested in plant net
photosynthetic rate, transpiration rate, relative chlorophyll content and PSII photochemical
effect [24]. In the physiological and biochemical study of combined Cu and Cd pollution
on Cinnamomum Camphora, low-dose Cu promoted the photosynthesis of plants under
cadmium stress, and alleviated the damage caused by cadmium to plant photosynthesis
to a certain extent [31]. On one hand, the promoting effect of copper-based nanoparticles
on Brassica biomass is due to the positive effect of photosynthesis on plant growth. On
the other hand, lower doses of nanomaterials have a certain stimulatory effect on plants,
which can promote plant growth and development and improve plant tolerance to adverse
environmental stresses. When the concentration of NPs selected in the experiment is low,
the released copper ions can be used as trace elements to stimulate plant growth and
increase the biomass of plants [32,33]. Studies have shown that adding a small amount
of copper-based nanoparticles can promote plant growth, 10 mg/L CuO NPs increased
the root biomass of conventional cotton and transgenic cotton [34]. Low concentrations of
nano-copper dioxide particles also had a positive effect on the growth of corn seedlings [8].

Heavy metal stress can negatively affect plant enzyme activity and may cause ox-
idative damage to cell membranes [35]. Copper-based nanoparticles are phytotoxic by
producing excess reactive oxygen species (ROS) or releasing high concentrations of ions [36].
The excessive production of ROS can lead to lipid peroxidation, protein structure destruc-
tion, apoptosis and DNA damage [37]. To alleviate the stress caused by ROS, cells have
enzymatic mechanisms to eliminate or reduce their damaging effects. Antioxidant enzymes
such as catalase (CAT), peroxidase (POD), ascorbate peroxidase (APX) and superoxide dis-
mutase (SOD) play an important role in scavenging ROS to prevent oxidative damage [38].
Antioxidative enzymes are mediators of oxidative damage that help plant biomolecules
defend against ROS attack [39]. In plants, CAT is used to remove most of the H2O2, POD
can sequester the remaining H2O2 [40], and SOD catalyzes the conversion of superoxide to
oxygen and hydrogen peroxide. In the present study, the CAT, SOD, and POD activities
of Brassica treated with Cu NPs + Cd were improved (Figure 1), which was similar to the
experimental results of Karimi [41] and Kim [42]. Kim et al. found that the enzyme activities
of CAT, SOD and POD in cucumbers grown under hydroponic conditions treated with NPs
also showed an upward trend. Cu NPs induce oxidative stress in Brassica, and promote
and stimulate ROS production, and plants enhance the activity of antioxidant enzymes
as a defense system in order to resist ROS stress. However, the activity of antioxidant
enzymes was decreased by CuO NPs, indicating that CuO NPs produced more ROS and
more strongly inhibited the activities of antioxidant enzymes than Cu NPs. Due to their
oxidation state, CuO NPs are more toxic than Cu NPs. The CuO NPs destroyed the plant
structure and reduced the amounts of nutrients absorbed by the plant. Nutrients cannot
support the normal metabolic activities of plants, and cannot synthesize proteins smoothly,
thus inhibiting the synthesis of CAT, SOD and POD. APX has the strongest affinity with
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H2O2, which can quickly remove excess H2O2 produced in cells and protect cells from
reactive oxygen species poisoning [43]. In this experiment, copper-based nanoparticles
both decreased the APX activity in leaves. This result is different from that of increased
APX activity in most studies of NP-stressed plants. In an exposure study of Cu NPs and
CuO NPs to lettuce (Lactuca sativa), the concentration of 10 mg/L also reduced the APX
activity of lettuce [44]. We speculate that the result may be related to the applied NPs
concentration, but the mechanism is currently unclear and further research is needed.

Consistent with our expected results, the application of copper-based nanoparticles
greatly enhanced the copper content in Brassica. Copper-based nanometals and nanometal
oxides release metal ions which have toxic effects on plants (such as Cu2+). Changes in plant
root exudates and culture medium pH can both increase the concentration of soluble metal
ions in the rhizosphere solution, so the uptake of metals by plants will also increase [45].
Because of the characteristics of small NPs particles and the large specific surface area,
they will adhere to the surface of the root of Brassica in large quantities in the culture
medium [46]. They can enter plant cells by binding to water channels, carrier proteins,
or ion channels. NPs can also increase the permeability of plant cell walls, generate new
pores and enter plant cells by endocytosis or by combining with organic chemicals in the
environmental medium [47]. The total copper content in Brassica was higher in CuO NPs
treatment than in Cu NPs treatment, which is also consistent with the results of Kadri
et al. They believed that CuO NPs would release more copper ions than Cu NPs [48]. We
observed more Cu accumulated in the roots of Brassica than in the leaves. This is due
to the plant’s repulsion mechanism that can allow metals to accumulate in the roots and
prevents their transport to the shoots to maintain the homeostasis of mineral elements
in tissues and organs. Since roots are directly exposed to heavy metal pollutants under
hydroponic conditions, most of the cadmium uptake by plants is also concentrated in the
roots. We believe that the cadmium content in Brassica is related to the copper content
transported to the shoot. Usually, different metals may share the same transporter on the
cell membrane, and plants do not clearly distinguish between important micronutrients
and non-essential metals [49]. Studies have shown that plants absorb micronutrients faster
than non-essential heavy metals [50]. Since Cd and Cu are metal elements with the same
electronic valence, there are competing sites, so Cu has a certain inhibitory effect on the
absorption and transfer of Cd elements, which will reduce the Cd content in the shoots
of plants. Consistent with the research results of Cvjetko et al., Cu can effectively inhibit
the absorption of Cd when copper and cadmium are combined to stress plants [51]. It
was observed that the content of Cd absorbed by the roots of Brassica in the treatment
group of CuO NPs increased. The hydroxyl, carboxyl, amino, sulfhydryl and aldehyde
groups of proteins and polysaccharides in plant cell walls can combine with metal cations
through complexation, precipitation and ion exchange, limiting the transport of metal
cations through the cell membrane [19]. NPs exposure induces ROS generation or other
effects that may alter the cell wall structure, such as reducing cell wall thickness, triggering
cell wall loosening, or changing cell wall pore size, which may also lead to an upward
trend in Cu and Cd content in plants [52,53]. On the other hand, the higher the total
metal content in plants, the more severe the oxidative damage to biomolecules. When
the content of the two metal elements in the stressed plants is large, the absorption of
the two elements by the plants will show a certain additive effect. For example, in the
combined lead and cadmium treatment of soybean, as the lead addition increased, the
cadmium content in the roots also increased [54]. Additionally, studies have shown that
Cu at low concentrations can alleviate Cd-induced damage, while the combined stress of
higher concentrations of Cu and Cd exceeds the potential of plants to resist heavy metal
stress, and Cd and Cu may interact to increase Cd uptake by plants [55]. Cu NPs + Cd
and CuO NPs + Cd used to treat the subcellular elements resulted in increased Cu and
Cd content compared with Cd treatment, which verifies the above conjecture that NPs
damage the cell membrane and increase the content of Cu and Cd in plants. The cell wall
is considered the first barrier to protect protoplasts from toxicity [56]. The Cu content in
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the subcellular Cu NPs-treated group was much higher than that in the CuO NPs-treated
group, which may be because the particle size of Cu NPs we chose is smaller than that
of CuO NPs. In the case of agglomeration, nanoparticles with diameters over 20 nm are
barely able to penetrate the cell wall [54,57]. The order of Cd content in each component is
soluble component > organelle > cell wall. The contents of Cu and Cd in the subcellular
soluble fraction of Brassica leaves were high, indicating that the soluble fraction in leaf
cells was the main part of Cd enrichment. The soluble components of plants are composed
of cytoplasm and vacuoles. Cytoplasm is the main location for cell metabolism, and the
function of vacuoles is mainly to participate in cellular water metabolism. Various proteins,
organic acids, organic bases and other substances contained in vacuoles can interact with
Cd combinations. Following the ingestion of metals, plants limit the excess accumulation
of metal elements in their roots or store them in tissues or organs that are less sensitive
to their toxicity, which may include the cytoplasm and chloroplasts. It is also one of the
important mechanisms by which plants resist heavy metal poisoning and participate in
heavy metal detoxification [58,59].

The absorption and content of nutrient elements in roots showed an upward trend
(Table 2). The effect may be due to the interaction of heavy metals with metal trans-
porters, resulting in altered plant gene expression related to nutrient uptake and changes
in plasma membrane permeability when plants are exposed to cadmium and excess cop-
per stress [60,61]. The content of Fe in the roots increased and the content in the shoots
decreased significantly. This may be due to the fact that in copper-stressed plants, iron
may be complexed in the form of ferritin (iron-binding protein), which is overproduced to
protect cells from oxidative damage [62]. However, Fe was more active than Cu, formed
insoluble hydroxides, and remained in the roots [11]. NPs reduced the content of most
nutrient elements in the leaves of Brassica. On the one hand, the surface effect of NPs may
lead to the absorption of a large amount of other useful mineral elements on the surface of
NPs, thereby reducing the bioavailability of mineral elements by plants [46]. On the other
hand, the Cu ions released by NPs will also have negative effects on the nutrient absorption
of Brassica. Consistent with previous research results, when the Cu concentration caused
stress to plants, the contents of Fe, Ca, K, and Mg in the underground parts of plants were
significantly higher than those of the control. On the contrary, the contents of Zn, Ca, K, and
Mg in the upper part of the ground all decreased after the addition of NPs [63]. Nano-CuO
significantly reduced the absorption of manganese, zinc, iron, magnesium, molybdenum
and boron by cotton [34]. Cu NPs and CuO NPs also reduced the absorption of manganese,
calcium, phosphorus and magnesium by lettuce in Trujillo Reyes et al. [45]. Cu NPs also
reduced the uptake of Mn elements in leaves, whereas CuO NPs showed a promotion effect
on the uptake of Mn and Na elements (the contents of Mn and Na elements in leaves were
increased by 24.3% and 28.3%, respectively). The addition of NPs changed the ability of
Brassica to absorb and transport certain nutrients and thus their nutritional value. From
the experimental results, the negative impact of Cd combined with copper-based NPs on
the nutrient absorption of Brassica is far more than that of NPs. The results of subcellular
nutrient determination were basically consistent with the results in Table 2. Compared
with Cd treatment, the content of most nutrient elements in the subcellular components
also showed a downward trend after the addition of NPs. The rise of the subcellular
Mn element may be due to it being an important part of the Mn-superoxide dismutase
(SOD) enzyme [64]. Plants need to increase absorption to synthesize antioxidant enzyme
in order to protect plants from active oxygen damage. In general, NPS interferes with the
absorption of the upper nutrient elements of the Brassica, which reduces the nutritional
value of Brassica.

The Pearson correlation results between the elements absorbed by the leaves of Brassica
are shown in Figure 5a. The absorption of Cd and Cu in the shoots showed a significant
negative correlation (ρ = −0.685), which verifies that the two elements are increasing in
the plants. When these two elements are transported in the shoots, there is a competitive
relationship. When the concentration is low, the effects of Cd and Cu on plants are an-
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tagonistic. However, in the experiment, Cd was significantly positively correlated with K
(ρ = 0.733), and extremely significantly positively correlated with Mn (ρ = 0.981) and Na
(ρ = 0.931). Previous studies have shown that in some plants, both Cd and K are positively
correlated. There may be a certain synergistic effect between the elements, and Na is
also not negatively affected by Cd treatment [65]. In this study, Cu showed a negative
correlation with the absorption of several elements measured, was moderately correlated
with Mn (ρ = −0.768), and showed a very high correlation with K and Mg (ρ = −0.954 and
ρ = −0.974, respectively). This may be due to the higher copper content altering membrane
permeability and impairing plant nutrient uptake. Among the nutrients absorbed by the
leaves of Brassica, Zn and Fe (ρ = 0.711), Zn and Ca (ρ = 0.730), Mn and Mg (ρ = 0.738), and
Mn and K (ρ = 0. 794) showed a significant positive correlation. The correlations between
Fe and Ca (ρ = 0.872), Mg and K (ρ = 0.936), and Mn and Na (ρ = 0. 906) were extremely
significant and positive.
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Figure 5. Pearson correlation between antioxidant enzyme activity, heavy metals and mineral
elements in Brassica leaves (a) and roots (b). (significant correlation between * and ** at p ≤ 0.05 and
p ≤ 0.01, respectively).

Figure 5b shows the root element correlation. It is observed that only Cd has a negative
correlation with Mg, Ca and Fe, but it is not significant. All other underground elements
are positively correlated, among which Cu is extremely significantly positively correlated
with Mn and K (ρ = 0.838 and ρ = 0.895, respectively), Ca and Mg (ρ = 0.886), and K and
Mn (ρ = 0.812). This may be due to the fact that Cu can increase the permeability of the
membrane [66]. NPs can also cause damage to the cells in the root of the plant, which will
increase the content of elements entering the Brassica [17].

5. Conclusions

Copper-based nanoparticles are currently widely used, and may combine with the
existing heavy metal pollution in soil to have a combined effect on plants, causing negative
effects on crops and humans. In this study, Cu and CuO NPs showed promoting effects on
both the photosynthetic rate and biomass of Cd-stressed plants. The changes in antioxidant
enzymes indicated that NPs enhanced the oxidative damage of Brassica under Cd treatment,
and the oxidative damage caused by CuO NPs was stronger than that of Cu NPs. Both
applications of copper-containing nanoparticles increased the Cu content in plants. Cu NPs
inhibited Cd uptake in plants, while CuO NPs exhibited a combined effect. NPs caused
damage to cells, and both the content of Cu and of Cd in plant subcellular components
increased. The combined effect of Cd and copper-based nanoparticles can change the
absorption of mineral nutrients by Brassica and reduce the nutritional value of crops.
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This experiment explored the toxic effects of copper-based nanoparticles on the physi-
ological and biochemical aspects of Brassica under Cd stress. However, in this experiment,
the experimental method of hydroponics and a lower concentration of NPs were selected.
Due to the complex toxicity mechanism of NPs, there may be some differences in the
toxic effects caused by the soil environment and the increase in NPs concentration, which
warrants further research to prove. The effects of the combination of Cd and NPs on cell
and gene damage in plants may be a future research direction.
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33. Wierzbicka, M.; Obidzińska, J. The effect of lead on seed imbibition and germination in different plant species. Plant Sci. 1998,
137, 155–171. [CrossRef]

34. Van, L.; Ma, C.; Shang, J.; Rui, Y.; Liu, S.; Xing, B. Effects of CuO nanoparticles on insecticidal activity and phytotoxicity in
conventional and transgenic cotton. Chemosphere 2016, 144, 661–670. [CrossRef] [PubMed]

35. Santala, K.R.; Ryser, P. Influence of heavy-metal contamination on plant response to water availability in white birch, Betula
papyrifera. Environ. Exp. Bot. 2009, 66, 334–340. [CrossRef]

36. Ahmed, B.; Rizvi, A.; Zaidi, A.; Khan, M.S.; Musarrat, J. Understanding the phyto-interaction of heavy metal oxide bulk and
nanoparticles: Evaluation of seed germination, growth, bioaccumulation, and metallothionein production. RSC Adv. 2019, 9,
4210–4225. [CrossRef]

37. Dietz, K.J.; Herth, S. Plant nanotoxicology (vol 16, pg 582, 2011). Trends Plant Sci. 2012, 17, 180. [CrossRef]
38. Khatun, S.; Ali, M.B.; Hahn, E.J.; Paek, K.Y.; Botany, E. Copper toxicity in Withania somnifera: Growth and antioxidant enzymes

responses of in vitro grown plants. Environ. Exp. Bot. 2008, 64, 279–285. [CrossRef]
39. Mittler, R. Oxidative stress, antioxidants and stress tolerance. Trends Plant Sci. 2002, 7, 405–410. [CrossRef]
40. Willekens, H.; Chamnongpol, S.; Davey, M.; Schraudner, M.; Langebartels, C.; VanMontagu, M.; Inze, D.; VanCamp, W. Catalase

is a sink for H2O2 and is indispensable for stress defence in C-3 plants. EMBO J. 1997, 16, 4806–4816. [CrossRef]
41. Karimi, P.; Khavari-Nejad, R.A.; Niknam, V.; Ghahremaninejad, F.; Najafi, F. The Effects of Excess Copper on Antioxidative

Enzymes, Lipid Peroxidation, Proline, Chlorophyll, and Concentration of Mn, Fe, and Cu in Astragalus neo-mobayenii. Sci.
World J. 2012, 2012, 615670. [CrossRef] [PubMed]

42. Kim, S.; Lee, S.; Lee, I. Alteration of Phytotoxicity and Oxidant Stress Potential by Metal Oxide Nanoparticles in Cucumis sativus.
Water Air Soil Pollut. 2012, 223, 2799–2806. [CrossRef]

43. Li, Z.; Li, J.; Zhang, G. Expression regulation of plant ascorbate peroxidase and its tolerance to abiotic stresses. Hereditas 2013, 35,
45–54. [CrossRef]

98



Nanomaterials 2022, 12, 1497

44. Trujillo-Reyes, J.; Majumdar, S.; Botez, C.E.; Peralta-Videa, J.R.; Gardea-Torresdey, J.L. Exposure studies of core-shell Fe/Fe3O4
and Cu/CuO NPs to lettuce (Lactuca sativa) plants: Are they a potential physiological and nutritional hazard? J. Hazard. Mater.
2014, 267, 255–263. [CrossRef] [PubMed]

45. Franklin, N.M.; Rogers, N.J.; Apte, S.C.; Batley, G.E.; Gadd, G.E.; Casey, P.S. Comparative toxicity of nanoparticulate ZnO, bulk
ZnO, and ZnCl2 to a freshwater microalga (Pseudokirchneriella subcapitata): The importance of particle solubility. Environ. Sci.
Technol. 2007, 41, 8484–8490. [CrossRef]

46. Shi, J.; Peng, C.; Yang, Y.; Yang, J.; Zhang, H.; Yuan, X.; Chen, Y.; Hu, T. Phytotoxicity and accumulation of copper oxide
nanoparticles to the Cu-tolerant plant Elsholtzia splendens. Nanotoxicology 2014, 8, 179–188. [CrossRef]

47. Miralles, P.; Church, T.L.; Harris, A.T. Toxicity, Uptake, and Translocation of Engineered Nanomaterials in Vascular plants.
Environ. Sci. Technol. 2012, 46, 9224–9239. [CrossRef]

48. Kadri, O.; Karmous, I.; Kharbech, O.; Arfaoui, H.; Chaoui, A. Cu and CuO Nanoparticles Affected the Germination and the
Growth of Barley (Hordeum vulgare L.) Seedling. Bull. Environ. Contam. Toxicol. 2022, 108, 585–593. [CrossRef]

49. Verkleij, J.A.C.; Golan-Goldhirsh, A.; Antosiewisz, D.M.; Schwitzguébel, J.; Schröder, P. Dualities in plant tolerance to pollutants
and their uptake and translocation to the upper plant parts. Environ. Exp. Bot. 2009, 67, 10–22. [CrossRef]

50. Mishra, V.K.; Tripathi, B.D. Concurrent removal and accumulation of heavy metals by the three aquatic macrophytes. Bioresour.
Technol. 2008, 99, 7091–7097. [CrossRef]

51. Cvjetko, P.; Tolic, S.; Sikic, S.; Balen, B.; Tkale, M.; Vidakovic-Cifrek, Z.; Pavlica, M. Effect of copper on the toxicity and genotoxicity
of cadmium in duckweed (Lemna minor L.). Arh. Hig. Rada. Toksikol. 2010, 61, 287–296. [CrossRef] [PubMed]

52. Kim, J.H.; Lee, Y.; Kim, E.J.; Gu, S.; Sohn, E.J.; Seo, Y.S.; An, H.J.; Chang, Y.S. Exposure of Iron Nanoparticles to Arabidopsis
thaliana Enhances Root Elongation by Triggering Cell Wall Loosening. Environ. Sci. Technol. 2014, 48, 3477–3485. [CrossRef]
[PubMed]

53. Ma, C.; White, J.C.; Dhankher, O.P.; Xing, B. Metal-Based Nanotoxicity and Detoxification Pathways in Higher Plants. Environ.
Sci. Technol. 2015, 49, 7109–7122. [CrossRef] [PubMed]

54. Luan, Z.Q.; Cao, H.C.; Yan, B.X. Individual and combined phytotoxic effects of cadmium, lead and arsenic on soybean in
Phaeozem. Plant Soil Environ. 2008, 54, 403–411. [CrossRef]

55. Majsec, K.; Cvjetko, P.; Tolic, S.; Tkalec, M.; Balen, B.; Pavlica, M. Integrative approach gives new insights into combined Cd/Cu
exposure in tobacco. Acta Physiol. Plant. 2016, 38, 1–14. [CrossRef]

56. Weng, B.S.; Xie, X.Y.; Weiss, D.J.; Liu, J.C.; Lu, H.L.; Yan, C.L. Kandelia obovata (S., L.) Yong tolerance mechanisms to Cadmium:
Subcellular distribution, chemical forms and thiol pools. Mar. Pollut. Bull. 2012, 64, 2453–2460. [CrossRef]

57. Rondeau-Mouro, C.; Defer, D.; Leboeuf, E.; Lahaye, M. Assessment of cell wall porosity in Arabidopsis thaliana by NMR
spectroscopy. Int. J. Biol. Macromol. 2008, 42, 83–92. [CrossRef]

58. Chen, Y.; Liu, X.; Wang, M.; Wang, J.; Yan, X. Cadmium tolerance, accumulation and relationship with Cd subcellular distribution
in Ricinus communis L. Acta Sci. Circumstantiae 2014, 34, 2440–2446.

59. Printz, B.; Lutts, S.; Hausman, J.F.; Sergeant, K. Copper Trafficking in Plants and Its Implication on Cell Wall Dynamics. Front.
Plant Sci. 2016, 7, 601. [CrossRef]

60. Roy, S.K.; Cho, S.W.; Kwon, S.J.; Kamal, A.H.M.; Lee, D.G.; Sarker, K.; Lee, M.S.; Xin, Z.; Woo, S.H. Proteome characterization of
copper stress responses in the roots of sorghum. Biometals 2017, 30, 765–785. [CrossRef]

61. Cambrolle, J.; Garcia, J.L.; Figueroa, M.E.; Cantos, M. Evaluating wild grapevine tolerance to copper toxicity. Chemosphere 2015,
120, 171–178. [CrossRef] [PubMed]

62. Siddiqui, Z.A.; Khan, M.R.; Abd_Allah, E.F.; Aiman, P.; Parveen, A. Titanium dioxide and zinc oxide nanoparticles affect some
bacterial diseases, and growth and physiological changes of beetroot. J. Veg. Sci. 2019, 25, 409–430. [CrossRef]

63. Zhang, K.; Tong, H.; Huang, S.; Yuan, H. Effect of Cu stress on Cu accumulation and other nutrient element absorption of Iris
pseudacaorus and I. lactea var. chinensis. J. Plant Resour. Environ. 2007, 16, 18–22.

64. DalCorso, G.; Manara, A.; Piasentin, S.; Furini, A. Nutrient metal elements in plants. Metallomics 2014, 6, 1770–1788. [CrossRef]
[PubMed]

65. Moral, R.; Gomez, I.; Navarro-Pedreno, J.; Mataix, J. Effects of cadmium on nutrient distribution, yield, and growth of tomato
grown in soilless culture. J. Plant Nutr. 1994, 17, 953–962. [CrossRef]

66. Gajewska, E.; Glowacki, R.; Mazur, J.; Sklodowska, M. Differential response of wheat roots to Cu, Ni and Cd treatment: Oxidative
stress and defense reactions. Plant Growth Regul. 2013, 71, 13–20. [CrossRef]

99



����������
�������

Citation: Li, T.; Li, J.; Zhan, X.; Wang,

X.; He, B.; Cao, F.; Liao, C.; Yu, Y.;

Zhang, Z.; Zhang, J.; et al.

Application of Exogenous Iron Alters

the Microbial Community Structure

and Reduces the Accumulation of

Cadmium and Arsenic in Rice (Oryza

sativa L.). Nanomaterials 2022, 12, 1311.

https://doi.org/10.3390/nano

12081311

Academic Editor: Eleonore Fröhlich

Received: 10 March 2022

Accepted: 6 April 2022

Published: 11 April 2022

Publisher’s Note: MDPI stays neutral

with regard to jurisdictional claims in

published maps and institutional affil-

iations.

Copyright: © 2022 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

nanomaterials

Article

Application of Exogenous Iron Alters the Microbial Community
Structure and Reduces the Accumulation of Cadmium and
Arsenic in Rice (Oryza sativa L.)
Tingting Li 1,2, Jiayuan Li 1, Xin Zhan 1, Xueli Wang 1, Bing He 1, Feishu Cao 3, Changjun Liao 3, Yuefeng Yu 2,
Zengyu Zhang 1, Junhui Zhang 2, Bei Li 1, Jiancheng Chen 1, Hong Li 4, Zhiqiang Zhu 5 , Yanyan Wei 1,*
and Junming Hu 2,*

1 State Key Laboratory for Conservation and Utilization of Subtropical Agro-Bioresources, Cultivation Base of
Guangxi Key Laboratory for Agro-Environment and Agro-Products Safety, College of Agriculture, Guangxi
University, Nanning 530004, China; ltt1210@126.com (T.L.); 1917303005@st.gxu.edu.cn (J.L.);
njueczx@163.com (X.Z.); wxl0524@126.com (X.W.); bingh2000@126.com (B.H.);
1817303017@st.gxu.edu.cn (Z.Z.); le_bei@st.gxu.edu.cn (B.L.); 2017392001@st.gxu.edu.cn (J.C.)

2 Agricultural Resources and Environment Research Insititute, Guangxi Academy of Agricultural Sciences,
Nanning 530007, China; yuyue202204@163.com (Y.Y.); zjh914zjh914@163.com (J.Z.)

3 Guangxi Bocco Enviromental Protection Technology Co., Ltd., Nanning 530007, China;
feishu.cao@hotmail.com (F.C.); lcj19176042408@163.com (C.L.)

4 Key Laboratory of Eco-Environment of Three Gorges Region, Ministry of Education, Chongqing University,
Chongqing 400044, China; hongli@cqu.edu.cn

5 College of Tropical Crops, Hainan University, Haikou 570228, China; zqzhu@hainanu.edu.cn
* Correspondence: yanyanwei@gxu.edu.cn or yanyanwei2008@163.com (Y.W.); jmhu06@126.com (J.H.);

Tel.: +86-1860-7718-450 (Y.W.)

Abstract: Cadmium (Cd) and arsenic (As) contamination of soil has been a public concern due to
their potential accumulation risk through the food chain. This study was conducted to investigate the
performance of ferrous sulfate (FeSO4) and ferric oxide (Fe2O3) nanoparticle (Nano-Fe) to stabilize
the concentrations of Cd and As in paddy soil. Both Fe treatments led to low extractable Cd and the
contents of specifically sorbed As contents, increased (p < 0.05) the Shannon index and decreased
(p < 0.05) the Simpson diversity indices compared with the control. Nano-Fe increased the relative
abundances of Firmicutes and Proteobacteria and decreased the abundances of Acidobacteria and
Chloroflexi. Moreover, the addition of both forms of Fe promoted the formation of Fe plaque and
decreased the translocation factor index (TFs) root/soil, TFs shoot/root, and TFs grain/shoot of Cd and
As. These results suggest that exogenous Fe may modify the microbial community and decrease the
soil available Cd and As contents, inhibit the absorption of Cd and As by the roots and decrease the
transport of Cd and As in rice grains and the risk intake in humans. These findings demonstrate that
soil amendment with exogenous Fe, particularly Nano-Fe, is a potential approach to simultaneously
remediate the accumulation of Cd and As from the soil to rice grain systems.

Keywords: cadmium; arsenic; rice; microorganism; ferrous sulfate; ferric oxide nanoparticle

1. Introduction

Cadmium (Cd) and arsenic (As) are common toxic elements in soil and are classified
as the number one carcinogens by the International Agency for Research on Cancer [1,2].
Recent nationwide surveys show that the rates of Cd and As in China are 7.0% and 2.7%,
respectively, which are higher than China’s soil environmental quality limits [3]. Co-
pollution with Cd and As in the paddy soil of South China is particularly serious owing to
the rapid development of urbanization and mineral production and processing [4]. The
excessive intake of Cd can lead to Cd poisoning, which can cause kidney poisoning and
chondroplasty [5]. As has a clear causal relationship with the occurrence of skin and lung
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cancer and is closely related to the occurrence of visceral cancer, such as liver and bladder
cancers. Therefore, reducing the amount of Cd and As is of the utmost importance.

Rice is a major grain, which is the main food source of more than half of the global
population [6], and is also the main food source of Cd and As in many Asian countries,
particularly in China [6]. Cd and As are difficult to control simultaneously because their
geochemical behavior and bioavailability differ in the paddy field environment owing to
the alternation of soil that is dry and wet [7,8]. The soil redox potential has a substantial
influence on the bioavailability of Cd and As. Drainage and flooding cycles in paddy fields
can change the soil redox potential, thus, affecting the fate of Cd and As [9]. Owing to the
need for water-logging treatment in the process of planting rice under reducing conditions,
Cd can form insoluble precipitates with sulfur, which reduces their availability. However,
As in the soil transforms into a soluble state, and its bioavailability is enhanced. It is
absorbed by the rice plants through their roots. Under oxidation conditions, the solubility
of Cd increases owing to the inhibition of sulfur reduction, while the availability of As
decreases as the content of Fe(III) oxide increases [6]. Thus, the simultaneous reduction of
Cd and As uptake in paddy soil is more challenging than the control of a single pollutant.

To diminish the impact of Cd and As pollution on ecosystems and agriculture, re-
searchers have proposed various biological, physical, and chemical procedures [7], such as
soil replacement, leaching, and phytoremediation [10–12]. However, for agricultural land
with a large area and a low amount of pollution, these technologies take a long time to
repair and improve soil quality, are expensive, easily cause secondary pollution and often
destroy the structure of soil microbial community [13,14]. In situ immobilization with a
passivator is a widely studied technique because of its high efficiency, low cost, and easy
operation [8]. Passivation materials include clay minerals, Fe compounds, and biochar [10],
among those that remediate Fe are particularly attractive. The carbon-containing complex
with Fe compounds reduced the adsorption of Cd and As in aqueous solutions [15,16].
Some studies used materials modified with Fe in the soil. Namely, a solution of 3.0%
(mass ratio) ferrous sulfate-modified nano-silica designated RNS-SFe immobilizes the
bioavailable Cd and As in the soil by 85.0% and 80.1%, respectively, by transforming the
bioavailable Cd into insoluble mercapto metal compounds (eS-Cd-S-) and bioavailable
As into less soluble iron arsenate (Fe3[AsO4])2 and FeAsO4), which precipitated on the
surface of nano-silica particles [17]. Fe-enriched corncob-eggshell biochar significantly
reduced the amounts of Cd and As in brown rice by affecting the rhizosphere soil pH and
redox potential (Eh) and causing the formation of Fe-plaque [18]. Some studies also found
that biochar modified with Fe could not simultaneously reduce Cd and As. Biochar could
reduce the concentrations of Cd in the roots (49–68%) and grains (26–49%), but this results
in a simultaneous increase of As concentrations in roots [19]. In contrast to treatment with
biochar, 0.5% Fe-biochar decreased the As concentrations in the roots, and also increased the
concentrations of Cd. The mobilization of induction of soil Cd by Fe-biochar was probably
owing to the acidification of the soil [19]. In addition, as a new environmental-friendly
material for heavy metal remediation, iron nanoparticles has attracted great attention [20].
According to the analysis above, the most closely related system described in the literature
was the soil-rice system. They mainly used iron solution modified materials to study the
morphological transformation and plant cumulative absorption of Cd and As in the soil-rice
system. Nevertheless, little information is available on the effect of exogenous Fe materials,
particularly Fe oxide nanoparticles (Nano-Fe), on the bioavailability and transportation of
Cd and As in the soil-rice system and possible microbial responses.

In this study, a pot experiment was conducted to explore the effects of ferrous sulfate
and Nano-Fe applications on (i) rice growth; (ii) Cd and As speciation and the microbial
community in soil; (iii) sequestration of Cd and As by root Fe-plaque; and (iv) the uptake
and intake risk assessment of Cd and As in paddy rice. The purpose of this experiment was
to improve the theoretical basis for the remediation of heavy metal(loid)s and to provide a
new way for sustainable development management and food security of rice fields polluted
with Cd and As.
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2. Materials and Methods
2.1. Site Description

The rice pot experiment was conducted in the greenhouse of the Institute of Agri-
cultural Resources and Environment, Academy of Agricultural Sciences, Nanning City,
Guangxi, China (22◦51′ N, 108◦15′ E). The soil used in the rice pots was collected from the
surface soil (0–20 cm) polluted by Cd and As in Jinchengjiang, Hechi, Guangxi, China. Soil
properties include a soil pH of 6.80, organic matter content of 30.40 g·kg−1, total N content
of 1.90 g·kg−1, available K content of 327.00 mg·kg−1, total Cd content of 1.73 mg·kg−1,
and total As content of 106.93 mg·kg−1. The rice variety was indica type three-line late
maturing hybrid rice Yixiang 99E-4.

2.2. Experimental Design and Sampling

The experiment was conducted using a completely randomized design. Three treat-
ments were established in this experiment: (1) control; (2) 0.50 g·kg−1 of ferrous sulfate
added (FeSO4); and (3) 0.50 g·kg−1 of nano iron oxide added (Fe2O3) (Nano-Fe). Nano-
Fe was shown to possess a negatively charged surface with a zeta potential value of
13.40 ± 0.26 mV. The size and morphology of nano-Fe were studied by scanning elec-
tron microscopy (SEM) (TESCAN Inc., Brno, Czech Republic) (Figure S1). X-ray energy
spectrum analysis (EDS) (TESCAN Inc., Brno, Czech Republic) and Fourier transform
infrared spectroscopy (FTIR) (Thermo Inc., Waltham, MA, USA) of Nano-Fe are shown
in Figures S2 and S3, respectively. There were three repetitions for each type of treat-
ment. After natural air drying, the soil was screened for 2 mm to remove large stones
and plant stalks. Iron material and base fertilizer were mixed with 8.0 kg soil in a basin
(30 cm × 33 cm, d × h). The soil was soaked in tap water for 8 d to ensure that the ions
were fully dissolved and mixed. The rice seeds were sterilized with 5.0% sodium hypochlo-
rite for 5 min, soaked in tap water for 8 h, and placed in a dark and humid environment for
48 h. Rice with approximately 1.50 cm high was transferred to the greenhouse of Guangxi
University and cultured in the substrate. When the rice had three leaves of the same height,
they were transplanted into the basin under ambient air and sunlight conditions from early
April to mid-July, within 101 d. Three rice plants were evenly distributed in each basin,
and two plants were inserted into each point. The position of the pots was changed every
5 d. The water level in each basin was controlled at approximately 2.0 cm from the soil
level. The dosages of N (urea), P (KH2PO4), and K (KCl) were 0.1304 g·kg−1 (base fertilizer:
0.0391 g·kg−1, tiller fertilizer: 0.0391g·kg−1, ear fertilizer: 0.0522 g·kg−1), 0.4394 g·kg−1,
and 0.2325 g·kg−1, respectively.

Soil and plant samples were collected when the rice had matured on July 15. On the
day of sampling, fresh rice rhizosphere soil samples were removed with sterilized glass
rods, placed in 5 mL centrifuge tubes, sealed, and placed in a tank of liquid nitrogen. Soil
samples were sent to Shanghai Meiji Biomedical Technology Co., Ltd. (Shanghai, China)
for high-throughput sequencing to explore the changes in composition of total bacteria
(16S rRNA) in different soil treatments. In addition, the soil samples after air drying and
screening were analyzed for soil properties, including the contents of different forms of
Cd and As. Samples of Fe plaque on the surfaces of rice roots were extracted to determine
the concentrations of Fe, Cd, and As on the root surfaces. The plant samples were washed
twice with tap water, treated with ultrapure water, dried at 105 ◦C for 30 min, and then
dried to a constant weight at 65 ◦C. The roots, shoots, and grains yield were measured
by weighing after drying, and they were cut and ground. They were screened through a
0.15-mm sieve and bagged to determine the concentrations of Cd and As.

2.3. Soil Chemical Analysis

The soil pH was measured by a pH meter (Leici Inc., Shanghai, China) with a glass
electrode using a ratio of 1:2.5 (w/v). The soil organic matter was determined by a potassium
dichromate sulfuric acid external heating method. The Kjeldahl method was used to
determine the soil total N. A volume of 1 mol·L−1 N4OAc was used as the extractant. The
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soil was shaken for 0.5 h and filtered, and the contents of soil available K were determined
directly by flame photometry (Xinyi Inc., Shanghai, China). The contents of total soil
Cd were determined after soil digestion by HF-HClO4-HCl using an atomic absorption
spectrometer (Hitachi Inc., Tokyo, Japan) [21]. The total soil As content was determined by
acid digestion (HNO3, HCl and HF) using an atomic fluorescence spectrometer (Titan Inc.,
Beijing, China) [22].

A four-part continuous extraction method [23] was used to separate the Cd from the
samples into four forms, e.g., exchangeable Cd, organically bound Cd, inorganically bound
Cd, and residual Cd. The extraction solutions were determined by atomic absorption
spectrometry (Hitachi Inc., Tokyo, Japan).

A five-part continuous extraction method [24] was used to separate the As from
samples into five forms, e.g., non-specifically sorbed As, specifically sorbed As, amorphous
iron oxide As, Fe/Al hydrated oxide As, and residual As. The extraction solutions were
determined by atomic fluorescence spectrometry (Titan Inc., Beijing, China).

2.4. Analysis of Fe, Cd, and As on the Roots Surfaces

Fresh roots (10.0 g) were cleaned with deionized water and weighed into plastic bottles
to determine the concentrations of Fe, Cd, and As on the roots surfaces. DCB extractant
(90 mL of 0.30 mol·L−1 sodium citrate and 10 mL of 1.0 mol·L−1 sodium bicarbonate) and
approximately 3.0 g of sodium bicarbonate were added in turn, and shaken at 180 rpm for
2 h in a full temperature shaking incubator. After that, the concentrations of Fe, Cd, and As
in the extractant were determined by atomic absorption spectrometry (Hitachi Inc., Tokyo,
Japan). The extracted rice roots were dried in an oven, and were weighed to determine
their dry weight. The concentrations of Fe, Cd, and As on the roots surfaces were calculated
(mg·kg−1 of dry root) [25].

2.5. Analysis of Cd and As in the Roots, Shoots, and Grains

A microwave digestion method was used to measure the concentrations of Cd and
As in the roots, shoots, and grains using 0.20 g of plant samples. Each tissue sample
was weighed in a digestion tube, and 5.0 mL of concentrated nitric acid was added. A
parallel standard sample and a blank were also created, and then microwave digestion
(500 power, 150 ◦C, and 8 min) was conducted. The digested samples were removed and
placed on an acid driving rack to drive the acid (120 ◦C) to the size of a soybean granule.
The samples were cooled and transferred to a 25 mL volumetric flask. Finally, the samples
were filtered into a plastic bottle. The content of Cd was measured by atomic absorption
spectrometry (Hitachi Inc., Tokyo, Japan), and the content of As was measured with an
atomic fluorescence spectrometer (Titan Inc., Beijing, China).

2.6. qPCR Amplification and High-Throughput Sequencing of the Soil Bacteria (16S rRNA)

The microbial community genomic DNA in soil was extracted using an E.Z.N.A.® soil DNA
Kit (MP Bio-tek, Norcross, GA, USA). The primers 338F (5′-ACTCCTACGGGAGGCAGCAG-
3′) were used to amplify the V3-V4 hypervariable region of the 16S rRNA gene. The
PCR amplification was performed as follows: initial denaturation at 95 ◦C for 3 min,
27 denaturing cycles at 95 ◦C for 30 s, annealing at 55 ◦C for 30 s, extension at 72 ◦C for 45 s,
single extension at 72 ◦C for 10 min, and end at 4 ◦C. As described in the standard protocols
of Majorbio Bio-Pharm Technology Co. Ltd. (Shanghai, China), purified amplicons were
pooled in equimolar amounts of paired-end sequenced (2 × 300) on an Illumina MiSeq
platform (Illumina, San Diego, CA, USA). Operational taxonomic units (OTUs) with a 97%
similarity cutoff were clustered by using UPARSE (version 7.1, http://drive5.com/uparse/,
accessed on 19 June 2021), and chimeric sequences were identified and removed by using
UCHIME. The taxonomy of each OTU representative sequence was analyzed by RDP
Classifier (http://rdp.cme.msu.edu/, accessed on 19 June 2021) against the 16S rRNA
database (e.g., Silva SSU128) with a confidence threshold of 0.7.
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2.7. Data Processing and Analysis

The health risk index (HRI) of Cd and As was calculated by estimating the daily intake
of Cd (DIM) and As (DIM) and with an oral reference dose of RFD of Cd and As. The RFD
values of Cd and As were considered to be 0.001 mg·kg−1 and 0.0003 mg·kg−1, respectively.
Bodyweight day−1 was determined as previously described [26].

HRI = DIM/RFD (1)

DIM = Cmetal ∗ F ∗ (D f ood intake)/(Baverage weight) (2)

where Cmetal indicates the accumulation of metal in the grain (mg·kg−1); F indicates the
conversion factor (0.085); Dfood intake indicates the daily use of grains considered to be 0.40 kg
per person, and Baverage weight indicates the body average weight, which was considered to
be 70.00 kg per person.

The translocation factor index (TF) was determined as described by Singh et al. [27].
The experimental data were analyzed by SPSS 21.0 (IBM Inc., Armonk, NY, USA) and
compared by Duncan’s method. GraphPad Prism 7.0 (GraphPad Inc., San Diego, CA, USA)
was used for drawing.

3. Results
3.1. Yield of Various Parts of Rice

On the whole, compared with the control, the treatments with exogenous Fe (FeSO4
and Nano-Fe) increased (p < 0.05) the yield of shoots and grains, while only Nano-Fe
treatment increased (p < 0.05) the root yields (Table 1).

Table 1. Effect of exogenous Fe on the yield of various parts of rice.

Treatments Root Yield (g) Shoot Yield (g) Grain Yield (g)

Control 25.66 ± 0.14c 156.07 ± 8.61b 76.33 ± 0.93b
FeSO4 26.18 ± 0.03bc 178.20 ± 0.88a 83.33 ± 0.79a

Nano-Fe 28.40 ± 0.45a 191.00 ± 0.43a 83.46 ± 0.22a
Different lowercase letters in the columns indicate a significant difference among the different treatments at p < 0.05.

3.2. Contents of Various Forms of Cd and As in the Soil

Exogenous Fe, in the form of FeSO4 and Nano-Fe, significantly decreased (p < 0.05) the
contents of exchangeable, organically bound and inorganically bound Cd, which was more
pronounced for Nano-Fe in comparison with FeSO4 (Table 2). Moreover, treatments of
exogenous Fe increased (p < 0.05) the contents of Cd in the residual state (Table 2), decreased
(p < 0.05) the specifically sorbed As, and increased (p < 0.05) the contents of Fe/Al hydrated
oxide As (Table 3). However, only Nano-Fe decreased (p < 0.05) the amount of amorphous
iron oxide As and increased (p < 0.05) the amount of residual As.

Table 2. Effect of exogenous Fe applied as FeSO4 and Nano-Fe on the Cd contents in soil.

Treatments Exchangeable Cd
(µg·kg−1)

Organic Bound Cd
(µg·kg−1)

Inorganic Bound Cd
(µg·kg−1)

Residual Cd
(µg·kg−1)

Control 6.75 ± 0.06a 19.27 ± 0.06a 1119.67 ± 0.98a 583.33 ± 5.44c
FeSO4 6.13 ± 0.01b 13.36 ± 0.18b 1076.67 ± 10.89b 633.33 ± 7.20b

Nano-Fe 3.31 ± 0.09c 6.79 ± 0.26c 965.67 ± 14.03c 753.33 ± 7.20a

Different lowercase letters in the columns indicate a significant difference among the different treatments at p < 0.05.
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Table 3. Effect of exogenous Fe applied as FeSO4 and Nano-Fe on As contents in soil.

Treatments Non-Specifically
Sorbed As (mg·kg−1)

Specifically Sorbed
As (mg·kg−1)

Amorphous Iron
Oxide As
(mg·kg−1)

Fe/Al Hydrated
Oxide As
(mg·kg−1)

Residual As
(mg·kg−1)

Control 0.25 ± 0.00a 12.09 ± 0.05a 49.61 ± 0.24a 28.38 ± 0.14c 16.61 ± 0.14b
FeSO4 0.26 ± 0.01a 9.49 ± 0.14b 48.83 ± 0.57ab 30.96 ± 0.25b 17.40 ± 0.62ab

Nano-Fe 0.25 ± 0.01a 8.2 ± 0.13c 48.18 ± 0.31b 32.09 ± 0.36a 18.21 ± 0.12a

Different lowercase letters in the columns indicate a significant difference among the different treatments at p < 0.05.

3.3. Concentrations of Fe, Cd, and As on the Roots Surfaces

With the addition of exogenous Fe, the concentration of Fe on the roots surfaces was
higher (p < 0.05) than that in the control (Figure 1a). Moreover, FeSO4 and Nano-Fe also
increased (p < 0.05) the concentrations of Cd and As on the roots surfaces, compared with
the control (Figure 1b,c).
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Figure 1. Concentrations of Fe (a), Cd (b), and As (c) on the surfaces of rice roots derived from
treatments with exogenous Fe applied as FeSO4 or Nano-Fe. Different lowercase letters in the
columns indicate a significant difference among the different treatments at p < 0.05.
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3.4. Concentrations, Uptake, and TFs of Cd and As in Rice

Exogenous Fe reduced (p < 0.05) the Cd concentrations (Figure 2a–c) and its uptake
(Figure 2d–f) in the roots, shoots, and grains, reduced (p < 0.05) the As concentrations
(Figure 3a–c) and its uptake (Figure 3d–f) in the roots, shoots, and grains of rice, compared
with the control.
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Figure 3. Concentrations of As in the roots (a), shoots (b), grains (c), and uptake of As in the roots (d),
shoots (e), grains (f) of rice derived from treatments with exogenous Fe applied as FeSO4 or Nano-
Fe. Different lowercase letters in the columns indicate a significant difference among the different
treatments at p < 0.05.

In terms of Cd, the soil to roots TFs were lower (p < 0.05) upon treatments with
exogenous Fe, applied in both forms, compared with the control (Figure 4a), although this
was more pronounced upon treatment with Nano-Fe. Compared with the control, the lower
TFs from roots to shoots were recorded only upon exposure to Nano-Fe (Figure 4b). While
both treatments with exogenous Fe equally lowered (p < 0.05) TFs values from shoots to
grains (Figure 4b,c). In terms of As, the TFs from soil to roots, from roots to shoots and from
shoots to grains were lower (p < 0.05) upon both treatments with exogenous Fe than those
of the control (Figure 4d–f), although this effect was stronger in the Nano-Fe treatment.
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Figure 4. The Cd TF root/soil (a), shoot/root (b), grain/shoot (c), and As TF root/soil (d), shoot/root
(e), grain/shoot (f) of rice derived from treatments with exogenous Fe applied as FeSO4 or Nano-
Fe. Different lowercase letters in the columns indicate a significant difference among the different
treatments at p < 0.05.

3.5. Soil Microbial Community

Treatments with exogenous Fe resulted in an increase (p < 0.05) in the Shannon
diversity indices and a decrease (p < 0.05) in the Simpson indices compared with the control
(Table 4). Firmicutes, Proteobacteria, Actinobacteria, and Chloroflexi were the dominant
phyla and comprised 71.10–72.66% of the bacterial 16S rRNA gene sequences in all the
treatments (Figure 5). The relative abundances of Firmicutes, Proteobacteria, Bacteroidetes,
Gemmatimonadetes, Ignavibacteriae, unclassified_k__norank, and WS6 in the soil treated
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with FeSO4 were 12.17%, 7.99%, 10.51%, 21.45%, 33.42%, 46.69%, and 17.27% higher than
those of the control, respectively. The relative abundances of Firmicutes, Proteobacteria,
Bacteroidetes, Parcubacteria, and Planctomycetes in the soil treated with Nano-Fe were
39.88%, 7.37%, 40.82%, 30.26%, and 36.15% higher than those of the control, respectively.
The treatments with exogenous Fe resulted in higher relative abundances of Firmicutes,
Proteobacteria, and Bacteroidetes than those of the control (Figure 5).

Table 4. Effect of exogenous Fe applications on Shannon’s and Simpson’s indices of the bacterial
communities.

Treatments Shannon’s Index Simpson’s Index

Control 6.4452 ± 0.0058c 0.00536 ± 0.00004a
FeSO4 6.4920 ± 0.0078b 0.00518 ± 0.00002b

Nano-Fe 6.6208 ± 0.0124a 0.00416 ± 0.00013c
Different lowercase letters in the columns indicate a significant difference among the different treatments at p < 0.05.
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3.6. Health Risk Assessment

Based on the DIM and HRQ formulas of the daily intake of Cd and As, the risk of
dietary intake of Cd and As in rice with exogenous Fe was evaluated (Table 5). The results
showed that the DIM values of Cd and As in rice polluted by Cd and As were 0.00019
and 0.00040 mg·(kg·D)−1, respectively. With the application of exogenous Fe, the DIM
decreased, and the Nano-Fe was the lowest. The data showed that with the exogenous Fe,
the HRI values of Cd and As were lower than those of the control, which ranged from 0.06
to 0.12 for Cd and from 0.34 to 0.73 for As. The HRI of Nano-Fe was the lowest among
them. The HRI for Cd-As ranged from 0.40 to 0.85. Compared with the control, the HRI
for Cd-As in rice decreased by 44–74% when exogenous Fe was applied. All of the HRI for
Cd-As under the exogenous Fe treatments were <1 and met the safety limits.

Table 5. Risk assessment of Cd and As intake via rice grain treated with exogenous Fe.

Treatments
Cd As

HRI Cd-As
DIM HRI DIM HRI

Control 0.00019 0.19 0.00040 1.34 1.53
FeSO4 0.00012 0.12 0.00022 0.73 0.85

Nano-Fe 0.00006 0.06 0.00010 0.34 0.40
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4. Discussion
4.1. Speciation of Cd and As in Soil

Heavy metals in the soil can have different toxicities and environmental behavior
owing to one or several aspects of the different fractions. The exchangeable component
was the most mobile component in soil, which represents the bioavailability of organisms,
while the residual phase was the lowest [28]. Based on the results of a continuous ex-
traction experiment, the contents of residual Cd in the soil increased, and the contents of
exchangeable Cd decreased after FeSO4 and Nano-Fe were applied to the soil (Table 2),
which indicated that they could effectively reduce the migration rate and bioavailability
of Cd in the soil. The reason could be that the addition of exogenous Fe to the soil could
change the biogeochemical cycle of Fe. The application of FeSO4 can effectively stabilize
Cd in the soil by surface precipitation and ion diffusion [29]. The application of Nano-Fe
increased the contents of iron oxide/hydroxide, which was the most important factor that
affected the mobility of Cd in the range of pH 5.0 to 7.5 [30].

Non-specific sorbtion is usually defined as the outer sphere, which represents the ad-
sorption on the surface of soil minerals owing to the electrostatic attraction [31]. Specifically
sorbed As forms a complex with coordinate covalent bonds [11]. Soil available As primarily
originates from non-specific and specific sorption [31,32]. In this study, the addition of
exogenous Fe did not affect the non-specifically sorbed As, and the contents of specifically
sorbed As were significantly lower than that of the control, which was consistent with the
results of previous research [32]. The addition of exogenous Fe promoted the increase in
amount of Fe/Al hydrated oxide As and the residual As (Table 3). The reason could be that
exogenous Fe can promote the diffusion of As from the outer surface of soil minerals to
the inner surface and mineral lattice, resulting in the transformation of specifically sorbed
As to other components, such as Fe/Al hydrated oxide and the residual fractions [33].
This indicated that exogenous Fe promoted the transformation of As in paddy soil from
more mobile fractions to fewer mobile fractions, thus, reducing the uptake of As in the soil
by rice.

Exogenous Fe has positive effects on soil microorganisms [34,35], which is the main
driving force of the biogeochemical Fe cycle. Heavy metal pollution in soil usually leads to
changes in the local microbial community [36]. The addition of exogenous Fe interferes
with the effect of microbial community on pollution with Cd and As in the soil. Exogenous
Fe altered the bacterial α-diversity and community structure. Nano-Fe resulted in the
largest decrease in the contents of soil available Cd and As (Tables 3 and 4). The relative
abundances of phyla that help to reduce the phytotoxicity of Cd primarily included Fir-
micutes, which was consistent with the promotion of Firmicutes with the immobilization
of Cd in soil [37]. Acidobacteria can reduce Fe (III) and Fe (II) concentrations [35]. The
abundance of Acidobacteria decreased in Nano-Fe, which indicated that the reduction and
oxidation of Fe were significantly weakened, which could be the reason why more available
Cd was converted into residual Cd. Chloroflexi provides evidence of soil remediation [35].
The relative abundance of Chloroflexi in the Nano-Fe treatment was the lowest among
all the treatments. At the phylum level, most of the Fe-oxidizing bacteria are members
of Proteobacteria [38], and the increase of these bacteria in the Nano-Fe treatment could
indicate that the oxidation of Fe (II) in the soil was enhanced. The change of As fractions
in the soil may be due to treatment with Nano-Fe increased the relative abundance of
Firmicutes and Proteobacteria in soil. Functional microorganisms can reduce As, dissim-
ilatory As, As oxide, and methylated As, and also participate in nitrate, sulfate, and Fe
reduction, which are considered to be resistant to As, as previously described [39,40]. Thus,
exogenous FeSO4 and Nano-Fe applications in paddy soil could alter bacterial diversity
and community structure, and increase heavy metals resistant bacteria.

In the soil-rice system, iron nanoparticles were applied to the soil, which increased
the rice biomass (Table 1) and improved the soil microbial diversity (Table 4), so the iron
nanoparticles were not toxic in our study. It is inconsistent with the results of other studies
that iron nanoparticles are toxic [41]. The reason may be that the response characteristics of
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soil with different backgrounds and rice with different varieties to iron nanoparticles are
different. In addition, an appropriate amount of iron nanoparticles is the key to affect the
accumulation of heavy metals in rice [42,43].

4.2. Absorption of Cd and As in Rice

Rice roots are usually covered with Fe (III) oxide deposits, known as Fe plaque [44].
The structure of the Fe plaque is characterized by a mixture of crystalline and amorphous
Fe (III) (oxy hydroxy) oxides, primarily in the form of Fe hydride and goethite [45]. The
accumulation of Fe predicted Fe plaque formation. In this study, FeSO4 promoted the
formation of Fe plaque (Figure 1a), which was consistent with the findings of Sebastian
and Prasad [46]. The reason could be that anions such as SO4

2- attract H+ ions from the
soil solids to soil solutions and form sulfuric acid, which affects the soil pH and forms Fe
plaque [47]. The results show that the Fe concentrations in Fe plaque formed by Nano-Fe
were higher than those of FeSO4 (Figure 1a). The formation of Fe plaque in treatments with
FeSO4 primarily originated from Fe2+, while with Nano-Fe, the formation of Fe plaque
primarily originated from the accumulation of nanometer Fe particles [44]. The Nano-Fe
treatment, owing to the high level of adhesion and reactivity, resulted in nanoparticles that
had a high specific surface area and adhesion to the epithelial root cell wall. Thus, they
were more likely to form Fe plaque.

Fe plaque has been confirmed to limit the absorption of Cd and As [48]. The concen-
trations of Cd and As on the surfaces of rice roots in the exogenous Fe treatments were
higher (p < 0.05) than those in the control, indicating that Cd and As were enriched in the
Fe plaque. However, the Fe plaque that formed on the roots surfaces differed owing to the
differences in Fe materials, thus, affecting the absorption of Cd and As by rice. This was
also the primary reason why the amount of Cd and As adsorbed on the Fe plaque formed
by Nano-Fe was higher than that of FeSO4. Furthermore, Fe oxide can bind heavy metals in
the soil [49], and the plants barely absorb the combined portion of Cd or As and Nano-Fe.
The concentrations of Cd and As and uptake in rice roots, shoots, and grains of exogenous
Fe treatments were reduced (p < 0.05), which indicated that the Fe plaque absorbed Cd and
As and prevented these compounds from entering the rice roots.

TF represents the plant’s ability to translocate the pollutant from the roots to the
aerial parts of the plant. The TFs root/soil of Cd and As were lower (p < 0.05) than those
of the control, which indicated that the application of exogenous Fe reduced the ability
of Cd and As to enter into the roots from the soil. There are two factors that could lead
to this phenomenon. One could be that the addition of exogenous Fe led to a decrease
in the amount of available Cd and As in the soil, whereas the other was that Fe plaque
prevented the rice from absorbing Cd and As. The TF shoot/root and TF grain/shoot indicated
the translocation, which was affected by xylem loading, intravascular transfer, and the
transport of heavy metal through the phloem [50,51]. The Cd TFs shoot/root of the Nano-Fe
was lower than that of the control and FeSO4 (p < 0.05) (Figure 4b,c). The Cd TFs grain/shoot
of the Nano-Fe compared with the FeSO4 treatment, and the Nano-Fe treatment could
reduce the ability of Cd to be transferred from the rice roots to shoots, and thus, reduce the
accumulation of Cd in rice grains. Compared with the control, exogenous Fe treatments
could decrease the TFs shoot/root and TFs grain/shoot of As (Figure 4e,f). The difference
in TFs between different treatments could be related to rice genomics or other factors
that affect the accumulation of Cd and As in rice, such as translocation in the plant and
interactions between heavy metals and other mineral nutrients. Cd was usually absorbed
and transported in rice through the transport system of essential cations, such as Ca, Fe, and
Mn [52]. These transport systems were regulated by P1B ATPase (heavy metal ATPase), and
many genes that encode these transporters are members of the P1B ATPase family [53–55].
The genes that regulate the expression of these proteins could be affected by changing
environmental factors, such as exogenous Fe and Fe dosage. The Nano-Fe alleviates As
phytotoxicity in rice by improving the uptake of Fe, increasing oxidative stress tolerance
and diminishing the accumulation of As [43].
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4.3. Health Risk Index

Rice is the key manner of human exposure to heavy metals [56]. It is very important
to quantify the health risk assessment of Cd and As in rice. In this study, although the
Cd HRI value in the control was <1, the risk of long-term consumption of rice produced
in this region cannot be ignored [26]. The addition of exogenous Fe reduced the Cd, As,
and Cd-As HRIs, which indicated that exogenous Fe could effectively reduce their risk. In
particular, the reduction of Nano-Fe was the greatest. A health risk index >1 is considered
to be a threat to human health. The HRIs for Cd-As of the treatments (FeSO4 and Nano-Fe)
were <1 and thus, met the safety limits.

5. Conclusions

In this study, FeSO4 and Nano-Fe that were applied at 0.5 g/kg, and were used to treat
paddy soil contaminated with Cd-As to examine their influences on the forms of Cd and
As in soil and soil microorganisms, the transport and accumulation of Cd and As in rice,
and the risk assessment of human intake. The results demonstrated that the application of
exogenous Fe as both forms of FeSO4 and Nano-Fe significantly improved the diversity
and structure of microbial community, particularly increasing the relative abundances of
Cd and As-resistant bacteria, and reducing the contents of available Cd and As in the soil.
Moreover, exogeFnous Fe could promote the formation of Fe plaque, reduce the transport
and accumulation of Cd and As in rice, and reduce the risk of human intake. The results of
our study confirm that supplementation of environmental-friendly Nano-Fe 0.5 g·kg−1 to
paddy soil is an effective approach to simultaneously reduce Cd and As accumulation in
the rice grains grown in co-contaminated soil.
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Abstract: The usage of pesticides is deemed essential to ensure crop production for global food
security. Conventional chemical pesticides have significant effects on ecosystems. Nanopesticides are
increasingly considered an emerging alternative due to their higher efficiency and lower environmen-
tal impacts. However, large knowledge gaps exist in the public perceptions and willingness-to-pay
(WTP) for nanopesticides. Thus, we conducted a regional survey of pesticide users and food con-
sumers on perceptions and WTP for nanopesticides across China. We found that 97.4% pesticide
users were willing to pay for nanopesticides, with a main price from 25% to 40% higher than for
conventional pesticides. Experience with applying pesticides, income, familiarity with and attitude
toward nanopesticides, and trust in industries were significant determinants of WTP. Although
the public were not familiar with nanopesticides, they had positive attitudes toward their future
development and supported labeling nanoscale ingredients on products. Pesticide users presented
high trust levels in governments and industries, while 34% of food consumers neutrally or distrusted
industries in selling and production. This study highlights the socioeconomic and technological
aspects of nanopesticides, which could provide guidance for industries to develop market strategies
and for governments to design relevant regulation policies effectively, contributing to crop yield
improvement and sustainable agriculture.

Keywords: nanopesticides; public perception; willingness-to-pay; interval regression model; survey

1. Introduction

The rapid growth of the global population, which is predicted to reach nearly 9.8 bil-
lion people by 2050, requires food production to increase by 50% compared to the levels
in 2012 [1]. However, crop production is significantly suppressed by biotic stresses, such
as pests, weeds, and diseases caused by fungi, bacteria, and viruses [2,3]. Application
of pesticides is a critical way to mitigate these biotic stresses [2]. Although conventional
chemical pesticides are effective, they simultaneously pose severe threats to the ecosys-
tem [3,4]. Specifically, due to the low efficiency of conventional pesticides (~90% lost to
environment) [5], farmers must increase the application frequency and amount to achieve
better crop yields, resulting in 2 million tons per year of conventional pesticides applied
worldwide [1]. Such extensive use not only aggravates environmental contamination (e.g.,
anoxic water bodies, loss of biodiversity, and ecotoxicity) [5,6], but also poses risks to public
health directly and indirectly [7,8]. In addition, the long-term use of conventional pesticides
induced resistant crop varieties [9] and increased farmers’ economic costs [10]. Therefore,
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a revolution of pesticides is urgently needed to improve crop production and maintain
sustainability.

With the rapid development of nanotechnologies, nanopesticides have been increas-
ingly anticipated for the agrochemical sector, including nanoemulsions, nanocapsules (e.g.,
with polymers), and inorganic engineered nanoparticles (ENPs, for example, metals, metal
oxides, and nanoclays) [11]. Composed of nanoscale active ingredients (AIs), nanopesti-
cides exhibited broad-spectrum insecticidal, fungicidal, and herbicidal properties [3,12].
Furthermore, nanopesticides can enhance solubility, control release, increase leaf adhesion,
and improve the stability of AIs [13], resulting in elevated efficacy and durability, as well as
the reduction in applied AIs [14]. Thus, the application of nanopesticides can maintain or in-
crease crop yields with lower application rates, which would potentially minimize the risks
to ecosystems [15]. In addition, the global market for pesticides is estimated to grow from
US$75 billion in 2013 to US$90 billion by 2023 [16], and nanopesticides have the potential
to result in multibillion-dollar benefits [5]. Nevertheless, only a few commercial products
among synthesized nanopesticides have been commercialized (e.g., Kocide 3000 (Dupont),
and AZteroid FC (Vive Crop Protection)), as a result of three major barriers to technology
readiness and implementation (i.e., efficient delivery at the field scale, regulation and safety
concerns, and consumer acceptance) [16].

Currently, research on nanopesticides has been mainly focused on their performance [15],
mechanisms [17], environmental fate [2], and ecosystem implications [18,19]. However, huge
knowledge gaps exist related to nano-governance and socio-economic aspects, particularly
in public perceptions and willingness-to-pay (WTP) for nanopesticides, which are essential
to promote the usage and market share of nanopesticides [15]. Specifically, the perception of
familiarity with nanotechnology could have a positive impact on risk and benefit perceptions,
which would further affect attitudes toward and the acceptance of nanotechnology [20]. In
particular, WTP, which is defined as the maximum price that a consumer would accept to
purchase one unit of a product or service [21], could shape the direction of the marketing
price and enable stakeholders to better match the needs and desires of the public.

Factors that could affect the public perceptions and WTP of nanotechnologies or emerg-
ing agri-food technologies depend on complicated mechanisms and multiple aspects. For
example, socio-demographic factors (i.e., age, gender, education, and income) were shown
to be related to understanding the risks and benefits of nanotechnologies [22,23]. Familiar-
ity with [24] and attitude toward [25] novel agri-food technologies had implications for the
willingness to purchase these technologies (e.g., nano-enabled food packaging or ingredi-
ents). On the other hand, the safety of nanotechnology applications has been questioned in
the past few years, resulting in increased requirements for nanotechnology labeling [26],
which could help the public manage risks and benefits while purchasing [27–29]. Another
significant aspect of public perceptions and WTP is social trust, which could have an impact
on the risk perceptions and communication of new technologies by building social rela-
tionships [20]. Multiple studies have shown that the acceptance of nano-enabled products
was greatly influenced by trust in industries [30]. Trust in governments to manage risks
was also a major concern when assessing nanotechnology applications [31]. There has
also been uncertainty regarding the experience of applying pesticides, which could affect
farmers’ acceptance of new-type pesticides [32]. Users may not want to change their habits
if they have used conventional pesticides for a long period time [32]. However, they were
more likely to accept new pesticides after realizing the long-term hazards of conventional
chemical pesticides [32]. Hence, it is essential to understand the multiple factors influencing
public WTP for nanopesticides, which are currently missing in available studies.

To investigate public perceptions of and WTP for nanopesticides, we conducted a
regional survey of pesticide users and food consumers across China, with almost 400 valid
responses. China, as a large agricultural country with 23.6% of its workforce employed in
the agricultural sector in 2020 [33], is the largest consumer of pesticides in the world [34].
China has made impressive progress, taking 9% of the planet’s arable land to feed 22% of
the worlds’ population [35]. However, as a result of its ongoing urbanization, population
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growth, and severe environmental impacts, China is facing new challenges to sustainable
agriculture [35]. As nano-enabled agriculture has exhibited potential to address these
challenges, it is worthwhile to investigate pesticide users and food consumers in China
as a representative case study on nanopesticides to explore future agricultural develop-
ment. The objectives of this study were to (1) examine the price ranges of public WTP for
nanopesticides; (2) identify the factors influencing pesticide users’ WTP for nanopesticides;
(3) estimate the WTP for nanopesticides under different pesticide user profiles; and (4)
explore general public perspectives on nanopesticides. In this study, we combined the
advantages of multiple models (i.e., the Heckman model, interval regression model, ordi-
nary square least model, and ordered logistic model) to estimate statistical outcomes. Our
findings could narrow the gaps among academia, the public, industries, and governments,
thereby helping to assess the market potential, facilitate research and development, and
design regulation policies for nanopesticides. This research further aimed at meeting the
increasing demands in food production and making agriculture more sustainable.

2. Materials and Methods
2.1. Data Collection

The survey was conducted between 24 July 2020 and 5 August 2020 via face-to-face
interviews with a questionnaire. We stratified the survey sites into the western, middle, and
eastern parts of China. The locations included the countryside located in two municipalities
directly under the central government (i.e., Chongqing and Shanghai), eight cities of two
autonomous regions (i.e., Guangxi and Tibet) and 56 cities in 11 provinces (details in
Figure A1 of Appendix A). The respondents were randomly chosen and we collected 395
fully completed surveys. The survey included 232 pesticide users (i.e., farmers using
pesticides) and 163 food consumers (i.e., people from aquaculture and animal husbandry
not using pesticides). Eighteen surveys were not completed and were discarded in the
following analysis.

More specifically, the appropriate sample size was estimated before investigation by
calculating the equation of simple random sampling with substitution [36,37]:

N =
4(Zcrit)

2 p(1− p)
D2 (1)

where N is the sample size; Zcrit is the standard normal deviation corresponding to the
selected confidence level (CI); D is the minimum expected difference, which is specified
here subjectively to reflect the difference between the upper and lower limit of an expected
CI (i.e., the total width of the expected CI); and p is a pre-study estimate of the proportion
to be measured. We set the CI at 95 percent that yielded Zcrit = 1.960, assumed D = 10%
(0.1), and estimated p = 0.9 (using the proportion from a preliminary survey on pesticide
users’ willingness-to-pay for nanopesticides; approximately 90% replied “yes”). Based on
these assumptions, Equation (1) yielded a sample size of N = 138. Therefore, considering
possible invalid responses, we expanded the survey scale and the final 232 valid responses
of pesticide users met the requirements of the sample size.

2.2. Questionnaire and Measurements
2.2.1. Variable Selection

Ten independent variables were selected to evaluate public acceptance of emerging
technologies. Factors related to socio-demographic information (i.e., gender, age, education,
and income) and public perceptions of nanopesticides (i.e., familiarity with and attitude
toward nanopesticides, labeling preference, and trust in governments and industries) were
investigated. In addition, we included experience of applying pesticides and the associated
quadratic term to examine the possible incremental or diminishing effects.

The dependent variables included (a) the decision to spend money on nanopesticides
when the price was lower than that of conventional pesticides. If respondents indicated
unwillingness, they would end the questionnaire. Otherwise, respondents were asked
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specific follow-up questions about (b) the price ranges of WTP for nanopesticides (Figure A2
in Appendix A).

2.2.2. Questionnaire Design

As illustrated in Figure 1, the questionnaire incorporated 12 questions that were
divided into three sections; the complete questionnaire is presented in Appendix B. The
first section included four socio-demographic questions (i.e., gender, age, education, and
income), followed by five questions relevant to the perceptions of nanopesticides (i.e.,
familiarity with and attitude toward nanopesticides, labeling preference, and trust in
governments and industries) in the second section. Respondents were then asked whether
they planted crops needing pesticides. The food consumers (i.e., people from aquaculture
and animal husbandry) would not need to purchase pesticides and quitted the survey.
Only pesticide users (i.e., farmers) continued with the third-section questions, including
the experience of applying pesticides and the WTP for nanopesticides (Figure 1).
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The WTP questions were designed using the contingent valuation method (CVM),
a mature tool used to estimate public WTP for environmental goods and services in the
marketplace [21,38], and widely applied in the sectors of foods and pesticides [39–42]. The
CVM-based questionnaire is typically framed as an open-ended question, such as “how
much money you would be willing to pay for the target goods or services?” or as a “yes/no”
question that determines whether or not the respondent would be willing to pay $X for
the target goods or services [43]. We chose the doubled-bounded CVM to ask a series
of questions to progressively narrow down each respondent’s bounds on WTP, resulting
in nine intervals (in %) that consumers would be willing to pay for nanopesticides per
kilogram over that for conventional pesticides per kilogram: −100–0%, 0–10%, 10–25%,
25–40%, 40–50%, 50–75%, 75–100%, 100–130%, and ≥130% (Figure A2 in Appendix A).
Compared with point data by asking a single open-ended or yes/no question, intervals can
generate more efficient estimations and be closer to reality by avoiding the randomness of
respondent answers [44,45].

2.3. Data Analysis

The survey data were analyzed using the Stata programming software. A descriptive
statistical analysis of 232 pesticide users was conducted. In order to explore the influencing
factors of WTP for nanopesticides, the Heckman model was firstly used to test whether
there would be sample selection bias [46] if we excluded the six samples who missed the
specific price ranges of WTP (i.e., they would not like to spend money on nanopesticides
even at a lower price, as Quit 1 shown in Figure A2 in Appendix A).

2.3.1. Theory of the Heckman Model

Sample selection bias may arise when values of dependent variables are missing or
unobserved caused by another process (e.g., self-selection by individuals or data units
investigated, sample selection decisions by analysts or data processers) [46,47]. For example,
if the appearance of outcome variable yi depends on a selection variable zi, such incidental
truncation may result in a missing data problem of yi and biased coefficient estimation
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using standard regression techniques (e.g., OLS). In order to resolve this potential bias, the
Heckman model was introduced and assumed a two-stage relationship (Equations (A1)–
(A3) in Appendix A). The first step in this model is to determine whether an observation in
an overall population appears in the final representative samples, and the second step is
to model the relationship between the dependent and independent variables in the final
selected samples [46]. With the maximum likelihood estimation in the Heckman model,
rho (ρ; the correlation between error terms in the selection and outcome equations) could
be examined to indicate whether or not sample selection bias exists [46]. If rho is significant,
traditional techniques (e.g., OLS) would report biased β estimation. In this situation, the
results of the Heckman model can provide consistent and asymptotically efficient estimates
by correcting selection bias [48]. Otherwise, traditional regression methods could generate
efficient estimates by using selected samples. More details on the Heckman model were
provided in Appendix A.

2.3.2. Interval Regression Model

To further examine the significance levels of different independent variables for
226 samples, the interval regression model was used as a preferred method when the
outcome was measured as interval data, left-censored data, or right-censored data [48,49].
Other models (i.e., the ordinary least squares (OLS) model and ordered logistic model) were
not chosen due to limitations. Specifically, the OLS model would use the interval medians
as a dependent variable’s values and use the upper or lower limit values for left-censored
data or right-censored data, which neglects the uncertainty distribution of the dependent
variable and reduces the accuracy of the results [50]. In addition, the ordered logistic model
would order intervals sequentially as dependent variable’s values, which does not take the
threshold values into account and results in a loss of information within the dependent
variable [49].

By using the interval regression model, we assumed that each respondent i had a WTP
for nanopesticides Y∗i that was related to independent variables Xi in the following way:

Y∗i = Xiβ + εi (2)

where εi was assumed to be a normally distributed term with zero mean [48].
We did not observe Y∗i directly, but we knew it fell within some interval [Yi1, Yi2]

based on the responses from a series of double-bounded CVM questions (Figure A2 in
Appendix A). Therefore, the likelihood contribution of respondent i was Pr

(
Yi1 ≤ Y∗i ≤ Yi2

)

or Pr(Yi1 ≤ Xiβ + εi ≤ Yi2). For left-censored data (the unobserved Y∗i was less than or
equal to a fixed upper endpoint) and right-censored data (the unobserved Y∗i was greater
than or equal to a fixed lower endpoint), the likelihood contributions were Pr(Xiβ + εi ≤ Yi2)
and Pr(Yi1 ≤ Xiβ + εi), respectively. The maximum likelihood function was estimated us-
ing the command intreg in Stata, and the specific Equations (A4)–(A8) were illustrated in
Appendix A.

2.3.3. Robustness Test

The ordinary least squares (OLS) and ordered logistic models were used to identify
the robustness and credibility of the interval regression model. Specifically, we converted
the interval data, left-censored data, and right-censored data of WTP into point data of
the interval median, upper limit value, and lower limit value, respectively, to estimate the
OLS regression model. Meanwhile, nine price ranges of WTP (Figure A2 in Appendix A)
were converted into ordinal numbers 1–9 sequentially for the ordered logistic model using
maximum likelihood estimation. The independent variables in the OLS and ordered logistic
models remained unchanged with that in the interval regression model.

In addition, the relative influence importance of different variables was compared
using standard beta coefficients. The plots of the public’s perspectives on nanopesticides
were created using the online OmicShare Tools [51].
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3. Results and Discussion
3.1. Descriptive Statistics of Variables

Among all 395 samples, 163 food consumers answered the survey, except for questions
regarding the experience of applying pesticides and the WTP for nanopesticides. A total of
232 pesticide users responded to all the questions. The descriptive statistics of the pesticide
users were summarized in Table 1.

As shown in Table 1, the 232 pesticide users were between 25 and 75 years old
(median = 46), and 17.2% were female while 82.8% were male. Overall, the participants
were educated and had an average 11-year education level (mean = 11.1, median = 12).
There was a significant range in annual incomes (standard deviation = 15.7), with the
median level at 130,000 RMB (approximately 20,000 USD). The participants’ average ex-
perience in applying pesticides was more than 15 years, and the maximum was 52 years.
Although the current level of familiarity with nanopesticides was low (mean = 2.6), pesticide
users had relatively supportive attitudes toward the future development of nanopesticides
(mean = 4, median = 4). For labeling indications, the participants generally preferred to be
informed that the product contains nano-components (mean = 4.2, minimum = 3). Pesticide
users strongly trusted governments and industries regarding supervision, production, and
selling (medians = 4).

Not surprisingly, based on the above positive attitudes, most pesticide users (97.41%)
were willing to spend money on nanopesticides. Only six pesticide users (2.59%) would not
like to spend any money on nanopesticides, even if the price was lower than that of conven-
tional pesticides (Table 1 and Figure 2). The high proportion of WTP for nanopesticides was
much higher than that of WTP for other nano-enabled food products. For example, almost
50% of consumers refused to purchase foods (e.g., canola oil) with nano-packaging, nanodrop,
and nano-sensor attributes [52]. The distinct proportions of WTP for different nanoproducts
could result from various survey subjects; particularly, the more directly consumers were
in contact with nanoproducts, the less likely they were willing to use nanoproducts [53].
Compared to nanopesticide users, fewer food consumers were willing to purchase foods
engaged with nanotechnology. This high public purchase intention of nanopesticides could
motivate academia, industries, and governments to advance the research and development
of nanopesticides, rather than being impeded by worries and uncertainties about public
rejection. Moreover, as illustrated in Figure 2, 2.16% of pesticide users would be willing to
purchase nanopesticides only if the price was lower than that of conventional pesticides.
The main price range that respondents were willing to pay for nanopesticides was 25–40%
higher than that of conventional pesticides (Figure 2), guiding industries to improve market
strategies and price nanopesticides more appropriately in the future.

Table 1. Overview and measurements of the variables and descriptive statistics of 232 pesticide users.

Dependent Variable Description and Measurement Mean Median Standard
Deviation Min Max

Decision to spend money
on nanopesticides at a
lower price

No = 0, Yes = 1 0.97 1 0.16 0 1

Price ranges of
willingness-to-pay

The percentage that consumers were willing
to pay higher than conventional pesticides for
nanopesticides:
(−100%, 0) = 1, [0, 10%) = 2,
[10%, 25%) = 3, [25%, 40%) = 4,
[40%, 50%) = 5, [50%, 75%) = 6,
[75%, 100%) = 7, [100%, 130%) = 8, ≥130% = 9

4.95 4 2.56 1 9

Independent Variable Description and Measurement Mean Median Standard
Deviation Min Max

Gender Female = 1, Male = 0 0.17 0 0.38 0 1
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Table 1. Cont.

Dependent Variable Description and Measurement Mean Median Standard
Deviation Min Max

Years of education

Seven categories:
uneducated = 0, primary school = 6, middle
school = 9, high school/professional high
school/technical school/secondary school = 12,
junior college = 15, undergraduate education
= 16, postgraduate education = 19
Unit: years

11.08 12 2.72 6 16

Total household income
in 2019

Unit: 100,000 RMB (approximately 15,385
USD) 4.06 1.3 15.69 0.07 222

Experience of applying
pesticides Unit: years 15.57 12.5 10.89 0 52

Familiarity with
nanopesticides

Completely unfamiliar = 1,
A little unfamiliar = 2, General = 3, Quite
familiar = 4, Very familiar = 5

2.64 3 1.07 1 5

Attitude toward the
future development of
nanopesticides

Very opposed = 1, A little opposed = 2,
Neutral = 3, Quite supportive = 4,
Very supportive = 5

4.00 4 0.69 2 5

Labeling preference

Do you agree that the product label of
nanopesticides must indicate that it contains
nano-components?
Completely disagree = 1,
A little disagree = 2, Neutral = 3,
Quite agree = 4, Strongly agree = 5

4.22 4 0.68 3 5

Social trust
Completely distrust = 1,
A little distrust = 2, General = 3,
Quite trust = 4, Strongly trust = 5

Trust in governments Do you trust that governments could
supervise the safety risks of nanopesticides? 4.13 4 0.78 1 5

Trust in industries Do you trust that manufactures and retailers
could produce and sell nanopesticides legally? 3.86 4 0.79 1 5Nanomaterials 2022, 12, x FOR PEER REVIEW 8 of 21 
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Figure 2. The distribution of the price ranges (% of WTP for nanopesticides over that for conventional
pesticides).
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3.2. Sample Selection Bias and Model Robustness Evaluation

As shown in Figure 2, six pesticide users were not willing to pay for nanopesticides
even if the price was lower than that of conventional pesticides, which led to the missing
data for the price range. The Heckman model was used to evaluate the sampling selection
bias, and we confirmed that these six samples could be excluded as the value of rho
(Table A1 in Appendix A) in the Heckman model was not significant [46]. Therefore, the
interval regression model on 226 samples was subsequently utilized to evaluate the factors
influencing WTP for nanopesticides (Table 2), with detailed discussion in the following
section. In order to enhance the credibility of the results, OLS and ordered logistic models
were used to verify the robustness of the interval regression model (Table 2). The coefficients
of the OLS model were aligned well with those of the interval regression model (Table 2).
No obvious differences in the significance levels of variables were found among the OLS,
ordered logistic, and interval regression models (Table 2), indicating good reliability of the
results obtained by the interval regression model.

Table 2. Interval regression model for evaluating factors influencing pesticide users’ WTP for
nanopesticides, and OLS and ordered logistic models for testing the robustness of the interval
regression model.

Variable

Interval Regression Model OLS Model Ordered Logistic Model

Coefficient
Robust

Standard
Error

Coefficient
Robust

Standard
Error

Coefficient
Robust

Standard
Error

Gender −3.61 10.99 −3.56 9.00 −0.41 0.41
Age −0.10 0.54 −0.08 0.47 −0.02 0.02
Years of education 1.97 1.38 1.70 1.18 0.12 * 0.05
Experience of
applying pesticides −2.77 * 1.08 −2.27 * 0.89 −0.08 * 0.04

Quadratic term of
experience of
applying pesticides

0.05 * 0.02 0.04 * 0.02 0.00 * 0.00

Income 1.39 * 0.57 1.15 ** 0.39 0.05 ** 0.02
Familiarity with
nanopesticides 11.08 ** 3.39 8.55 ** 2.76 0.46 ** 0.12

Attitude toward
nanopesticides 13.38 * 6.65 13.70 * 5.87 0.61 * 0.26

Trust in governments −7.64 5.60 −6.37 4.84 −0.27 0.22
Trust in industries 13.83 * 5.52 10.52 * 4.59 0.29 0.19
Labeling preference 0.04 6.26 −0.39 5.44 0.20 0.27
Constant −43.22 38.93 −36.62 33.08

Wald test Chi-square = 57.34; p = 0.00
VIF † Mean = 1.58
Numbers of
observations 226 226 226

Notes: ** and * indicate significance at p < 0.01 and p < 0.05 levels, respectively. The unit of the coefficients
is percentage points. † The mean value of VIF (variance inflation factor) was smaller than 2, indicating no
multicollinearity between the independent variables in the regression model.

3.3. Determinants of Willingness-to-Pay for Nanopesticides

As shown in Table 2, both the experience of applying pesticides and the associated
quadratic term were statistically significant. There were diminishing and incremental trends
before and after 27-year experience, which was a relatively intermediate-level of experience
for pesticide users. Early career and richer-experience pesticide users reported higher WTP
price ranges than intermediate-experience pesticide users. Specifically, compared with early
career pesticide users, intermediate-experience pesticide users would not like to change
their habits to adapt to the new routine as they have already formed usage patterns with
the conventional pesticides [32]. Meanwhile, the rich-experience pesticide users would try
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emerging alternatives with higher efficiency and better sustainability after realizing the
long-term hazards of conventional chemical pesticides [32].

On the other hand, pesticide users with higher income would be willing to pay more
for nanopesticides compared to individuals with lower income. For every 100,000 RMB
(approximately 15,385 USD) increase in annual income, the WTP price range would increase
by 1.39% (Table 2), which was attributed to greater purchasing power [32]. Furthermore,
income was positively correlated with risk preference [54], and risk-takers were more
prone to invest in emerging alternative technologies [55,56]. Therefore, in the early stage
of promoting nanopesticides, industries could target main markets to regions with better
economic situations, and pesticide users with junior and rich experience.

Familiarity with and attitude toward nanopesticides were found to positively and
significantly influence the price range of WTP for nanopesticides (Table 2). A sense of famil-
iarity can be created by a generally positive framing of nanotechnology in the media, which
could mitigate consumers’ negative responses to risky content, while positive beliefs may
confirm benefit information [57]. Moreover, people with low familiarity may be initially
less interested in emerging alternatives [57]. It would be important to use media exposure
(e.g., science-related news and education programs) and interpersonal communication in
an elaborative manner (e.g., lectures) to strengthen perceived familiarity [58]. Increased
familiarity would lead people to have a more favorable attitude toward technology [59],
further facilitating the acceptance of nanopesticides.

In addition, the price range of WTP for nanopesticides could be notably improved
with the rise of the trust level in industries (Table 2). General social trust in the food
industry can evoke the preference for emerging nanotechnology products [60,61]. Therefore,
maintaining a good corporate reputation would play a key role in marketing nanopesticides.
Industries are supposed to operate in accordance with laws and regulations and to carry
out effective public-relations strategies simultaneously (e.g., media advertisements, posters,
and proactive dialog between different stakeholders through workshops or forums). While
trust in governments did not significantly influence pesticide users’ WTP for nanopesticides
(Table 2), governments have responsibilities in transferring relevant knowledge to the public
(e.g., through training programs for farmers to learn practice techniques and the benefits
and risks of nanopesticides) and developing regulations (e.g., registration of nanopesticides,
legality of industries, and use and recycling management).

Gender, age, and education level were not significant determinants of WTP. Although
labeling preference was also not a significant influencing factor of pesticide users’ WTP
for nanopesticides (Table 2), the participants generally agreed that product labels must
indicate the usage of nanocomponents (Table 1). Such labeling would not only increase
public familiarity with nanotechnology, but also be beneficial for consumers who want to
avoid risks, in addition to those who aim to benefit from nanotechnology [57]. However,
labeling alone is insufficient to educate the public [28], and comprehensive knowledge of
nanopesticides should also be provided.

The standardized beta coefficients in the regression model were further calculated
to examine which variables contributed most to the interval regression model (Table A2
in Appendix A), with a higher absolute value indicating a stronger influencing effect of
the corresponding independent variable [62]. The experience of applying pesticides was
found to have a greater influence on public WTP for nanopesticides than the other variables.
Familiarity, trust in industries, attitude, and income had similar influencing importance.
These results were based on statistical regressions, which may be different in reality. Overall,
these significant determinants of WTP for nanopesticides could provide a direction for
industries about which group of pesticide users would be the target customers (e.g., people
with high income and high familiarity) and also indicate to policy-makers how they can
influence the public acceptance of nanopesticides (e.g., by improving public familiarity and
strengthening regulations to increase trust levels in industries).
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3.4. Estimations of Willingness-to-Pay for Distinct Consumer Profiles

Based on the results of the interval regression model, we estimated the actual WTP
for distinct pesticide users’ profiles (Table A3 in Appendix A). For example, pesticide
users with 23-year experience in applying pesticides who were a little unfamiliar with
nanopesticides and completely distrusted industries, would be willing to pay prices 1%
lower for nanopesticides than that for conventional pesticides. In contrast, pesticide users
with 13-year experience alongside general familiarity with nanopesticides and a neutral
trust level in industries, would be willing to pay 47% more for nanopesticides. Table A3
also illustrates that pesticide users with 5-year experience in applying pesticides, who were
very familiar with nanopesticides and strongly trusted industries, would be willing to pay
112% more for nanopesticides.

3.5. General Public Perspectives on Nanopesticides

As discussed above, 163 food consumers (i.e., those in aquaculture and animal hus-
bandry who did not use pesticides) also participated in the survey. We analyzed all respon-
ders’ (i.e., 163 food consumers and 232 pesticide users) perspectives on nanopesticides to
assess the overall perceptions (Figure 3).

In general, nearly half of the survey participants were not familiar with nanopesticides
(see light blue and dark boxes in Figure 3a), which was consistent with the results of various
surveys that indicated the knowledge of food-relevant nanotechnologies in the general
population was low [63]. Food consumers had a lower familiarity level with nanopesticides
than pesticide users (Figure 3a). Nevertheless, few people in both groups opposed the
future development of nanopesticides (Figure 3b). It implied that there are significant
expectations regarding nanopesticides, which have the potential to be highly accepted in
the market. In addition, most of the public had neutral positions or agreed that products
should have labeling indications for nanocomponents (Figure 3c). The requirement for
labeling indications should be incorporated into regulations by governments. Although
the general public highly trusted governments, 6% of food consumers distrusted industries,
and 28% of food consumers had general trust levels in industries (Figure 3d). Industries
producing and selling nanopesticides need to put effort into communicating not only with
pesticide users but also with food consumers to enhance general social trust. Otherwise,
food consumers would not purchase the nanopesticide-engaged foods, which would further
negatively influence pesticide users’ WTP for nanopesticides. It is, therefore, critical to
understand current public perspectives on nanopesticides among both pesticide users
and food consumers, thereby helping industries and governments assess the development
trends of nanopesticides and make relevant strategies for production and regulations in the
next stage.
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Figure 3. Comparison of public’s perspectives on nanopesticides between pesticide users (i.e.,
farmers) and food consumers (i.e., people from aquaculture and animal husbandry). Public responses
when asked (a) “How familiar are you with nanopesticides?”; (b) “What is your attitude toward the
future development of nanopesticides?”; (c) “Do you agree that the product label of nanopesticides
must indicate that it contains nano-components?”; (d) “Do you trust that industries (manufactures
and retailers) could produce and sell nanopesticides legally?” and “Do you trust that governments
could supervise the safety risks of nanopesticides?”.

4. Conclusions

This study combined socioeconomic and technological aspects to evaluate factors that
affect public willingness-to-pay (WTP) for nanopesticides and public perceptions from both
pesticide users and food consumers perspectives. The findings provide key information
for industries and governments to improve marketing strategies and regulations for the
large-scale future application of nanopesticides, thus ensuring crop production for global
food security and maintaining agricultural sustainability.
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As this study demonstrated, nanopesticides were highly accepted by pesticide users,
and 97.4% were willing to spend money on them. The main price range (%) pesticide
users were willing to pay for nanopesticides was 25–40% higher than that for conventional
pesticides. The experience of applying pesticides had a greater influence on the WTP for
nanopesticides than the other variables. Familiarity, trust in industries, attitude, and income
were also positive and significant determinants of WTP for nanopesticides. The general
public’s familiarity level with nanopesticides was low. Nevertheless, both pesticide users
and food consumers supported the future development of nanopesticides quite strongly.
Most of the participants agreed that nanopesticides must include labels indicating that
the product contains nanocomponents. Pesticide users generally trusted governments
and industries, while a few food consumers had neutral or distrust levels in industries for
selling and production.

Based on our findings, we suggest that governments should take label requirements
into account when developing regulations. The related knowledge of nanopesticides should
also be provided to the public via media, lectures, and training programs. In addition,
governments should take responsibilities for optimizing relevant regulatory frameworks,
such as the standard code of nanopesticides for entering markets, the legality of industries,
and the use and recycling of nanopesticides.

The current study is also subject to certain limitations, as survey results were based
on Chinese samples. It would be important to conduct local studies in different countries
with larger sample sizes, since public responses may vary with cultures and traditions [64].
Moreover, although we measured public WTP for nanopesticides, a divergence may exist
between intentions and actual purchasing behaviors [65]; hypothetical WTP values were
typically higher than the real WTP values [66]. Compared with the survey scenarios, people
may be more frugal in real life as a result of budget constraints, policy implications, etc. [32].
Furthermore, the current study only investigated the factors influencing pesticide users’
WTP for nanopesticides. It would also be essential to identify the factors influencing food
consumers’ WTP for nanopesticide-engaged foods. The social acceptance and successful
application of nanoproducts depend on complex aspects [63]. The associated considerations
of nanopesticides, such as cost assessment, environmental impact, risks to human health,
and ethical issues, still need to be addressed more comprehensively in future research.
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Appendix A

Appendix A contains the distribution of sampling sites in the western, middle, and
eastern parts of China (Figure A1), and the sequence of questions about the willingness-
to-pay for nanopesticides (Figure A2). The theory underlying the Heckman model and
formulas of interval regression model are also provided in Appendix A. Table A1 presents
the Heckman model for testing sample selection bias. Tables A2 and A3 provide the
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standardized beta coefficients of influencing factors, and different pesticide user profiles’
willingness-to-pay for nanopesticides, respectively.
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Figure A1. The distribution of sampling sites in the western, middle, and eastern parts of China.
Numbers in the parentheses represent the sample size of regions. Eastern part: Fujian province
(16), Jiangsu province (24), Zhejiang province (11), Hainan province (18), Shanghai (16). Middle
part: Hubei province (42), Hunan province (19), Anhui province (32), Jiangxi province (50). Western
part: Yunnan province (24), Sichuan province (17), Guizhou province (27), Chongqing (59), Tibet
autonomous region (15), Guangxi autonomous region (25).
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Appendix A.1. Theory of Heckman Model

Sample selection bias may arise when values of dependent variables are missing or
unobserved, caused by another process (e.g., self-selection by individuals or data units
investigated, sample selection decisions by analysts or data processers) [46,47]. For example,
if the appearance of outcome variable yi depends on a selection variable zi, such incidental
truncation may result in a missing data problem of yi and biased coefficient estimation
using standard regression techniques (e.g., OLS). In order to resolve this potential bias, the
Heckman model was introduced and assumed the underlying two-stage relationship [48]:

The selection equation is shown below:

z∗i = αiγ + uizi =

{
1 i f z∗i > 0
0 i f z∗i ≤ 0

(A1)

The outcome equation is as follows:

yi =

{
xiβ + εi i f zi = 1
unobserved i f zi = 0

(A2)

where xi are covariates that affect the outcome and αi are covariates that affect selection,
εi ∼ N

(
0, σ2), ui ∼ N(0, 1), corr(εi, ui) = ρ.

The log likelihood for observation i is ln Li:

ln Li =





ωi ln Φ
{

αiγ+(yi− xi β)ρ/σ√
1−ρ2

}
− ωi

2

(
yi− xi β

σ

)2
−ωi ln

(√
2πσ

)
yiobserved

ωi ln Φ(−αiγ) yiunobserved
(A3)

where Φ is the standard cumulative normal distribution and ωi is an optional weight for
observation i.

The first stage is to determine whether an observation in an overall population appears
in the final representative samples, and the second stage is to model the relationship
between the dependent and independent variables in the final selected samples [46]. With
maximum likelihood estimation in the Heckman model, rho (ρ; the correlation between
error terms in the selection and outcome equations) could be examined to indicate whether
or not sample selection bias exists [46]. If εi and ui are correlated, traditional techniques
(e.g., OLS) would report biased β estimation. In this situation, the results of the Heckman
model could be consistent and asymptotically efficient estimates by correcting selection
bias [48]. Otherwise, traditional regression methods could generate efficient estimates by
using selected samples. Since the formulas above are appropriate for general-type data,
the formulas extended for the interval data of our study could be found in the command
eintreg of Stata manual Release 15 [67].

Appendix A.2. Formulas of Interval Regression Model

The equation of the interval regression model [48] is as follows:

Y∗i = Xiβ + εi (A4)

where Y∗i is a continuous outcome for the ith observation with covariates Xi and corre-
sponding coefficients β. ε is the error term that is assumed to be mean zero and normally
distributed; ε∼N (0, σ2).

If observation i ∈ C (not censored), we observe Y∗i as the point data. If observation i ∈ L
(left-censored), the unobserved Y∗i is in the interval (–∞, Yi2]. The likelihood contribution is
as follows:

Pr(Y∗i ≤ Yi2) = Pr(Xiβ + εi ≤ Yi2) (A5)
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If i ∈ I (interval-censored), the unobserved Y∗i is in the interval [Yi1, Yi2]. The likelihood
contribution is as follows:

Pr(Yi1 ≤ Y∗i ≤ Yi2) = Pr(Yi1 ≤ Xiβ + εi ≤ Yi2) (A6)

If i ∈ R (right-censored), the unobserved Y∗i is in the interval [Yi1, +∞). The likelihood
contribution is shown below:

Pr(Yi1 ≤ Y∗i ) = Pr(Yi1 ≤ Xiβ + εi) (A7)

The total loglikelihood function is given as:

ln L = − 1
2 ∑

i∈C
ωi

{(
Y∗i −Xi β

σ

)2
+ log 2πσ2

}

+ ∑
i∈L

ωilog Φ
(

Yi2−Xi β
σ

)

+ ∑
i∈I

ωi log
{

Φ
(

Yi2−Xi β
σ

)
−Φ

(
Yi1−Xi β

σ

)}

+ ∑
i∈R

ωi log
{

1−Φ
(

Yi1−Xi β
σ

)}

(A8)

Note that Φ is the cumulative standard normal distribution and ωi is the weight for
the ith observation [48]. The coefficients could be estimated by maximizing the value of the
loglikelihood function ln L.

Table A1. Heckman model for testing sample selection bias.

Variable
Heckman Model

Coefficient Robust Standard Error

Gender −4.46 10.94
Age −0.12 0.54
Years of education 2.15 1.39
Experience of applying
pesticides −2.88 ** 1.09

Quadratic term of experience
of applying pesticides 0.05 * 0.02

Income 1.42 * 0.57
Familiarity with
nanopesticides 11.19 ** 3.40

Attitude toward
nanopesticides 13.79 * 6.67

Trust in governments −7.96 5.66
Trust in industries 13.57 * 5.53
Labeling preference −0.65 6.29
Constant −39.45 38.97

rho −0.42 0.33
Wald test Chi-square = 57.95; p = 0.00
VIF Mean = 1.59
Numbers of observations 232

Notes: ** and * indicate significance at the p < 0.01 and p < 0.05 levels, respectively. The unit of the coefficients is
percentage points.
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Table A2. Standardized beta coefficients of influencing factors.

Variable Standardized Beta Coefficient

Experience of applying pesticides −0.58 *
Familiarity with nanopesticides 0.23 **
Trust in industries 0.21 *
Attitude toward nanopesticides 0.18 *
Income 0.17 *
Trust in governments −0.12
Years of education 0.10
Gender −0.03
Age −0.02
Labeling preference 0.00

Note: ** and * indicate significance at the p < 0.01 and p < 0.05 levels, respectively.

Table A3. Different pesticide user profiles’ willingness-to-pay for nanopesticides.

Experience of Applying
Pesticides

Familiarity with
Nanopesticides Trust in Industries

The Percentage That Pesticide Users Were
Willing to Pay Higher for Nanopesticides

than That for Conventional Pesticides

23 2 1 −1.00%
13 2 1 8.27%
23 1 3 15.57%
5 2 1 23.04%
13 1 3 24.84%
23 2 3 26.66%
13 2 3 35.92%
23 3 3 37.74%
23 2 4 40.48%
13 3 3 47.00%
13 2 4 49.75%
5 2 3 50.69%
23 3 4 51.56%
13 3 4 60.83%
5 3 3 61.77%
5 2 4 64.52%
5 3 4 75.60%
5 4 5 100.51%
5 5 5 111.59%

Appendix B Questionnaire of Public Perceptions and Willingness-to-Pay for
Nanopesticides

1. What is your gender? 1 = Female, 0 = Male

2. What is your full year of age?
3. What is your educational level? 1 = uneducated, 2 = primary school, 3 = middle

school, 4 = high school, 5 = professional high school/technical school, 6 = secondary
school, 7 = junior college, 8 = undergraduate education, 9 = postgraduate education

4. What is your total household income in 2019?
5. How are you familiar with nanopesticides? 1 = Completely unfamiliar, 2 = A little

unfamiliar, 3 = General, 4 = Quite familiar, 5 = Very familiar

Nanopesticides are composed of nanomaterials (1–100 nm, 1 nm = 1/109 m) with
broad-spectrum insecticidal, fungicidal, or herbicidal properties [15]. Compared with
conventional chemical pesticides, nanopesticides could improve efficacy 24~150% [15],
prolong effective time period [68], lower application rates [12], and increase yields [15]. In
addition, nanopesticides could have less residuals and decrease environmental burden [68].
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The potential negative impacts on human health and environment are low, but there is still
a lack of comprehensive evaluation [69].

6. What is your attitude toward the future development of nanopesticides? 1 = Com-
pletely opposed, 2 = A little opposed, 3 = Neutral, 4 = Quite supportive, 5 = Very
supportive

7. Do you agree that the product label of nanopesticides must indicate it contains nano-
components? 1 = Completely disagree, 2 = A little disagree, 3 = Neutral, 4 = Quite
agree, 5 = Strongly agree

8. Do you trust that governments could supervise the safety risks of nanopesticides?
1 = Completely distrust, 2 = A little distrust, 3 = General, 4 = Quite trust, 5 = Strongly
trust

9. Do you trust that industries (manufactures and retailers) could produce and sell
nanopesticides legally? 1 = Completely distrust, 2 = A little distrust, 3 = General,
4 = Quite trust, 5 = Strongly trust

10. Do you plant grain, vegetables, and fruit that need pesticides? 1 = Yes, 0 = No (If yes,
please answer the following questions; If no, please quit the survey)

11. You have ___ years of experience in applying pesticides.
12. The price ranges of willingness-to-pay for nanopesticides:

a. Would you be willing to purchase
nanopesticides if the price is lower than
conventional pesticides?

1 = Yes (continue with Question b);
2 = No (stop answering and quit the survey)

b. Would you be willing to purchase
nanopesticides if the price is as the same as
conventional pesticides?

1 = Yes (continue with Question c);
2 = No (stop answering and quit the survey)

c. Would you be willing to purchase
nanopesticides if the price is 50% higher than
conventional pesticides?

1 = Yes (skip to Question d);
2 = No (skip to Question e)

d. Would you be willing to purchase
nanopesticides if the price is 100% higher than
conventional pesticides?

1 = Yes (skip to Question d-1);
2 = No (skip to Question d-2)

d-1. Would you be willing to purchase
nanopesticides if the price is 130% higher than
conventional pesticides?

1 = Yes;
2 = No

d-2. Would you be willing to purchase
nanopesticides if the price is 75% higher than
conventional pesticides?

1 = Yes;
2 = No

e. Would you be willing to purchase
nanopesticides if the price is 25% higher than
conventional pesticides?

1 = Yes (skip to Question e-1);
2 = No (skip to Question e-2)

e-1. Would you be willing to purchase
nanopesticides if the price is 40% higher than
conventional pesticides?

1 = Yes;
2 = No

e-2. Would you be willing to purchase
nanopesticides if the price is 10% higher than
conventional pesticides?

1 = Yes;
2 = No
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Abstract: An increasing number of inorganic ultraviolet filters (UVFs), such as nanosized zinc oxide
(nZnO) and titanium dioxide (nTiO2), are formulated in sunscreens because of their broad UV
spectrum sunlight protection and because they limit skin damage. However, sunscreen-derived
inorganic UVFs are considered to be emerging contaminants; in particular, nZnO and nTiO2 UVFs
have been shown to undergo absorption and bioaccumulation, release metal ions, and generate
reactive oxygen species, which cause negative effects on aquatic organisms. We comprehensively
reviewed the current study status of the environmental sources, occurrences, behaviors, and impacts
of sunscreen-derived inorganic UVFs in aquatic environments. We find that the associated primary
nanoparticle characteristics and coating materials significantly affect the environmental behavior and
fate of inorganic UVFs. The consequential ecotoxicological risks and underlying mechanisms are
discussed at the individual and trophic transfer levels. Due to their persistence and bioaccumulation,
more attention and efforts should be redirected to investigating the sources, fate, and trophic transfer
of inorganic UVFs in ecosystems.

Keywords: cosmetics; nanoparticles; environmental behavior; ecosystem; toxic mechanism

1. Introduction

Sunscreen is one of the personal care products (PCPs) used to provide protection
against ultraviolet radiation (UVR, 10–400 nm) damage [1–3]. Recently, with rising pro-
duction and consumption, sunscreens have been increasingly released into aquatic en-
vironments, including oceans, rivers, lakes, and other water bodies, via several means
of discharge (e.g., wastewater treatment plant effluents, runoff input, and recreational
activities) [4–6]. The rapid growth in global tourism, especially coastal and marine tourism,
where the number of international tourists worldwide grew from 463 million in 1992 to
763 million in 2004 and is estimated to have reached 1.56 billion in 2020 [7], has contributed
to the increasing application of sunscreen [7,8]. Moreover, in these tropical countries, at least
25% of the sunscreens applied to skin are eventually released into the ocean during water
recreational activities [9], which could pose potential risks to the aquatic environment.

Sunscreen is a multicomponent product that contains both active ingredients to shield
or reflect UVR and commodity coatings to prevent bleaching and the loss of color [10]. The
active ultraviolet filters (UVFs) in sunscreens can be organic or inorganic and can reflect and
scatter UVR, which protects human skin from direct sunlight radiation [11,12]. Typically,
organic UVFs are called chemical filters, as their mode of action (MoA) is related to the
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chemical changes in their molecules that prevent UVR from reaching the skin. The European
Union regulates and authorizes 26 types of organic UVFs (summarized in our previous
review) [13], which are widely used and globally recognized. In 2018, the Environmental
Working Group (EWG) reported that two-thirds of the 1300 sunscreen products available
contain chemicals that the EWG has deemed to be harmful to the environment, which are
predominantly organic UVFs [14]. Inorganic UVFs are called physical filters or mineral
filters, as their MoA is associated with physical phenomena, such as the scattering and
reflection of UVR [15–20]. Titanium dioxide (TiO2) and zinc oxide (ZnO) are the most
widely used inorganic UVFs and are usually present in nanoparticle (NP) form, also known
as nanosized TiO2 (nTiO2) and nanosized ZnO (nZnO), due to their greater dispersion and
UV scattering superficial area [14]. Both nTiO2 and nZnO are semiconductors with wide
band gaps that can effectively shield UV light.

The adverse environmental effects of organic UVFs, including the bleaching effect on
coral reefs and the negative hormonal effects on marine animals, were reviewed in a recent
study [21]. The ecological risks of organic UVFs have resulted in warnings and restrictions
on the application of chemical substances. The Hawaiian state legislature passed a bill on
1 May 2018 that bans the sale and distribution of sunscreens that contain certain organic
UVFs (oxybenzone and octinoxate), which is anticipated to become effective in 2021 [22].
In addition, the EWG began to push the Food and Drug Administration in 2007 to update
and improve cosmetic product regulations by urging the agency to set stricter standards to
better protect public health [14].

Due to the ecotoxicological risks of organic UVFs, using inorganic UVFs for replace-
ment has become a topic of interest for both producers and consumers. Although organic
UVFs have dominated the market for PCPs in the past, inorganic UVFs as substitutions are
increasing due to their broad UV spectrum protection and limited skin penetration and
health risks [23,24]. It is believed that 60% of nTiO2 and 80% of nZnO produced globally
are used in cosmetic products [25,26]. With the increasing production and application, the
discharge of inorganic UVFs into environments is inevitable. In the United States, hundreds
of tons of TiO2 and ZnO are disposed of in the environment every year [27]. To date, studies
have shown that inorganic UVFs have been detected in marine waters, sediments, and
organisms at increasing concentrations [1]. For example, Botta et al. [28] estimated that in
reef areas, 36–56 tons of TiO2 were released from sunscreens, where the concentration of
TiO2 could reach tens of milligram liters in surface microlayer [4]. Inorganic UVFs are prone
to persisting in the environment due to continuous emissions and refractory degradation,
which pose health threats to aquatic organisms at different trophic levels.

We comprehensively reviewed the current study status of the environmental sources,
occurrences, behaviors, and impacts of sunscreen-derived inorganic UVFs in aquatic en-
vironments. The associated primary nanoparticle characteristics and coating materials
significantly affect the environmental behavior and fate of inorganic UVFs. The consequen-
tial ecotoxicological risks and underlying mechanisms are discussed at the individual and
trophic transfer levels. Accordingly, suggestions are given for future study and recommen-
dations for the scientific attention and control of inorganic UVF-containing products.

2. Inorganic UVFs in Aquatic Environments
2.1. Sources and Occurrences

UVFs have been detected in surface waters [29], urban groundwater [30], sediments [31–33],
marine water, and biota [1,34]. The environmental sources and distribution of organic UVFs
have been well reviewed in recent years [1,34]. However, very little is known about the oc-
currences and distributions of the two increasingly used inorganic UVFs (nTiO2 and nZnO).
It has been shown that these substances are released into waters, either directly through
human activities or indirectly through wastewater treatment plant (WWTP) drainage and
atmospheric deposition (shown in Figure 1) [11,29,35]. Some studies have indicated that
there is a direct relationship between the amounts of sunscreen components in waters and
recreational activities, such as swimming, diving, surfing, etc [4,36,37]. In addition, the
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effluents of WWTPs and domestic sewage indirectly release UVFs, as sunscreen compo-
nents cannot be completely removed [6,11]. Atmospheric aerosols containing UVFs may
occur from different sources, including directly after spraying sunscreen on the skin, with
effluents from WWTPs, and indirectly with the incineration of WWTP sludge.
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aquatic environments.

According to a survey study, there are approximately 16,000–25,000 tons per annual
(t/a) of sunscreens that contain nTiO2 in tropical countries, and at least 25% of sunscreen
applied to the skin enters the ocean during water recreational activities [9]. It is estimated
that the content of nTiO2 in sunscreens is approximately 4%, and the amount of nTiO2
released annually is approximately 160–250 t in these tropical countries [1,38]. Specifically,
Sánchez-Quiles and Tovar-Sánchez [9] estimated that over 4 kg of nTiO2 can be released
from sunscreen into seawater during a summer day on a tropical touristic beach. Another
study suggested that the recreational activities that take place at Old Danube Lake (Vienna,
Austria) may involve the consumption of sunscreen of 8.1 t per year, and they estimated that
94.5 kg of TiO2 per year may be released into lake waters [39]. A recent study has shown
that inorganic UVFs present in the formulation of sunscreens are detected in nearshore
water and are concentrated in the surface microlayer that ranges from 6.9 to 37.6 mg/L for
TiO2 and from 1.0 to 3.3 mg/L for ZnO [4].

2.2. Environmental Behaviors

The specific behavior of inorganic UVFs released from sunscreens into aquatic envi-
ronments has not been well addressed. As sunscreen is a complex chemical mixture; once
it is in water, the inorganic UVFs released from sunscreen are complex and can exist in the
form of aggregates of various complex components [40,41], including surface-modified
complexes or raw NPs. For raw NPs, their environmental fate generally includes dis-
persing, aggregating, and dissolving/releasing metal ions and settling onto sediments or
being absorbed and bioaccumulated by organisms (shown in Figure 1) [28,39,42]. Many
studies have confirmed that nZnO UVFs rapidly dissolve in water and form hydrated Zn2+

cations [43,44]. Other inorganic UVFs, e.g., nTiO2, are regarded as relatively stable and
rather insoluble in water [45]. Thus, these UVFs tend to aggregate into larger particles,
which remain suspended or precipitate to the bottom of the aquatic environment. In gen-
eral, the higher the content of UVFs, the higher the SPR the sunscreen obtained. For organic
UVFs, they absorb UVR, thus their spectral characteristics determined the absorbance of
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UVR as well as the sun protection factor (SPR); most of them are photo-instability effects
related to UVR exposure [46]. For inorganic UVFs, they mean to scatter and reflect UVR;
thus, they are more stable than organic UVFs, but their particle size would affect the SPR
and transparency (aesthetics of the products), thus most inorganic UVFs are nanosized.
The stability of physical sunscreens was influenced by the coating materials, with these
organic materials in physical sunscreens tend to perform photodegradation and photo-
instability effects related to UVR exposure, thus making inorganic UVFs easier to bear in
the environment [46]. In addition, photooxidation and photodegradation are also proposed
to occur when inorganic UVFs are exposed to sunlight. Inorganic UVFs, including nTiO2
and nZnO, are often used as photocatalytic materials; once released into water, they can
be photooxidized during irradiation by ultraviolet light and generate hole-electron pairs;
reactive oxygen species (ROS) are produced when hole-electron pairs react with H2O
or O2 on the surface of NPs, which also decreases the particle size and produces more
ROS [47,48]. Studies have shown that inorganic UVFs are photooxidized, produce ROS,
and cause photocatalytic toxicity to aquatic organisms [49]. In addition to these behaviors,
inorganic UVFs easily settle into sediments due to gravitational force, thereby aggregating
into larger NPs. UVFs, both the organic and inorganic varieties, are absorbed or captured
by aquatic organisms during the above processes, which causes damage to organisms and
even bioaccumulation in organisms or sediments in the water. We recently found that
physical sunscreens and related inorganic UVFs exhibit bioattachment on the surfaces
of button coral and cause significant growth inhibition and expulsion of zooxanthellae
(Symbiodinium sp., unpublished data), which demonstrates the importance of further ex-
ploring the environmental fate of inorganic UVF-containing cosmetic products and the
derived UVFs.

The nTiO2 and nZnO were dispersed (partial dissolved) in physical sunscreens during
the manufacturing process, which would be modified first sometimes. Thus inorganic UVFs
in sunscreens often exist as surface-modified complexes. For surface-modified complexes,
their potential environmental behavior presents some differences that need to be discussed.
Primarily, coexisting surface coatings affect the fate of NPs to some extent. In addition
to UVFs, sunscreens also contain other ingredients, such as preservatives (e.g., paraben
derivates) [50], coloring agents (e.g., ammonium sulfate, ferric ammonium ferrocyanide,
copper powder, and iron) [51], film-forming agents (e.g., acrylates and acrylamides) [52],
surfactants, chelators, viscosity controllers (e.g., potassium cetyl phosphate and penta-
sodium ethylenediamine tetramethylene phosphonate), and fragrances [53]. Some of these
ingredients have been detected in coastal waters [54–56]. Thus, nTiO2 (and nZnO) may be
present in the form of bare or coated NPs in the aquatic environment, and their dimension,
shape, crystal phase, and surface area vary among different sunscreen products [27]. A
recent study showed that sunscreen-derived nTiO2 exhibits a larger particle size but a
smaller hydrodynamic diameter and lower zeta potential than industrial uncoated nTiO2,
which exhibits significant aggregation [57]. In contrast, the presence of carboxymethyl cellu-
lose (CMC) or polyvinylpyrrolidone (PVP) significantly enhances the stability of uncoated
nTiO2, as determined by the zeta potential values measured at pH 7, with substantial shape
changes that result in spherical particles and relatively small nTiO2 sizes [57]. Similar
substantial shape transformations induced by stabilizers have been found in other stud-
ies [58,59]. Inorganic UVFs generally have a small particle size, strong hydrophobicity,
and are insoluble in water; thus, Brownian motion, eddy motion, and runoff shear force
result in some inorganic UVF particles remaining in suspension [60]. Engineered polymers
or organic and inorganic substances that serve as coating materials or act as stabilizers
have been found to modify the physicochemical properties of raw NPs, thereby affecting
particle stability and mobility through electrostatic repulsion [61–63] and by maintaining
the dispersion of nanosized inorganic UVFs. For example, nTiO2 has been found to be fully
dispersed and stabilized in natural water that contains organic materials [64]. Therefore,
the stability of inorganic UVFs depends on their physicochemical properties and coating
materials [27,57].
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An early study indicated that eight of nine commercial sunscreen products are coated
with nonvolatile inorganic residues, typically Al2O3 or SiO2, to minimize the photochem-
ical activity of TiO2 [27]. Adsorbed or covalently bonded surfactants affect aggregation
stability by increasing the surface charge and electrostatic repulsion or by reducing the
interfacial energy between the particles and the solvent [65]. The interaction between steric
repulsion and universal Coulomb attraction is caused by the surface coating layers, which
may profoundly affect the aggregation kinetics. However, a recent study showed that
sodium citrate provides higher stability for spherical nTiO2 than PVP, sodium dodecyl
sulfate, and polyethylene glycol, since sodium citrate results in lower critical coagulation
concentrations [66]. Additionally, another study showed that the addition of coating ma-
terials such as CMC, PVP, and silica prevents significant TiO2 aggregation by facilitating
dispersion [60]. These stabilizers change the physicochemical properties (particle sizes
and zeta potential) of nTiO2 and produce a stable TiO2 suspension with a cluster size
smaller than that of uncoated nTiO2 because they play the role of a dispersant that prevents
nanoparticle aggregation [57]. A decrease in particle size results in a higher proportion of
atoms on the particle surface, which alters the electronic structure, surface charge, and final
degree of aggregation [67]. Small particles with high surface energy aggregate more readily
than larger particles since aggregation reduces the free energy in the NP system.

It has been revealed that the dissolution of inorganic UVFs depends on the solubility
of the materials themselves and on the concentration gradient in water [68,69]. For example,
nZnO releases more Zn ions in seawater with a higher ionic strength than in fresh water [70].
Moreover, the dissolution of inorganic UVFs is clearly affected by the physicochemical
properties of the material, such as the particle size, shape, and surface coating. Generally,
the solubility of NPs is higher than that of the bulk phase because the decreased size
increases the specific surface areas and the enthalpies of the formation of the ions [71].
Fairbairn et al. [72] also pointed out that nZnO is more easily dissolved in sea water than
ZnO with ordinary particle sizes or Fe-doped nZnO. However, for nZnO, the impact
of different sizes on dissolution is not as obvious for nanosized, bulk, or large particles
due to the high solubility of ZnO, which can exhibit up to 80% dissolution [69,73,74].
Additionally, the shapes of NPs have been shown to affect both the rates of dissolution
and the equilibrium concentrations [14]. The dissolution rate for spherical nCuO is faster
than that of rod and spindle nCuO [75], while spherical nZnO induces lower toxicity than
rod-shaped nZnO because the actual Zn ion concentration that results from the dissolution
of rod-shaped nZnO is much higher than that of spherical nZnO [76].

Quite often, the dissolution rate of inorganic UVFs significantly decreases in the pres-
ence of surface coatings because the surface coating acts as a physical barrier or shield
that prevents electrons or photons from reaching the NP surface [77]. In sunscreens, pho-
toactivity problems may arise if particles are not treated with coatings, and manufacturers
commonly employ inert surface coatings that dramatically reduce the potential for photoac-
tivity; existing data suggests that these surface coatings reduce UV reactivity by as much
as 99% [40,41]. However, organic coatings slow the dissolution process relative to that of
uncoated ZnO but lead to an increased concentration of Zn2+ at equilibrium [78]. Other-
wise, if the coatings are not stable or if manufacturers use forms of ZnO or TiO2 that are
not optimized for stability and sun protection, then sunscreens may not be protective [14].
These results suggest that inorganic UVFs might input substantial amounts of free metals
into an aquatic environment and pose a toxicity risk to aquatic ecosystems.

In addition to the influence of internal NP properties, external environmental fac-
tors such as light, pH, and natural organic matter (NOM) can also make a difference.
The interaction energy barrier decreases with a decreasing particle size according to the
Derjaguin–Landau–Verwey–Overbeek (DLVO) theory, and it is affected by the properties
of the primary NPs (e.g., size, shape, chemical composition, and surface coatings), solution
chemistries (e.g., pH, ionic identity, electrolyte patterns, and reactions with NOM), and en-
vironmental conditions (e.g., temperature and dissolved oxygen level) [69,79]. For example,
a large proportion of nZnO dissolves at a limit close to the solubility limit of ZnO(s) at a
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high pH of approximately 8.2, and both visible and UV light facilitate nZnO dissolution at
lower pH values that range from 4.8 to 6.5 [80]. Light warms the water, enhances the release
rates of inorganic UVFs, shortens the equilibrium time and even increases equilibrium
concentrations [62]. Moreover, inorganic UVFs generate ROS under irradiation with visible
and UV light; this results in the oxidation of metal ions and surface organic compounds,
which increases the dissolution rates due to the decomposition of surface coatings and loss
of the stabilizing effect of dissolved organic matter. The influence of solution properties on
the dissolution of inorganic UVFs is dynamic and complex [62].

2.3. Substantial Environmental Impacts

The discharge of inorganic UVFs from sunscreens into waters is concomitant with
the input of several other constituents, including nutrients (e.g., silicates, phosphates,
and nitrates), metals (e.g., Al, Cd, Cu, Co, Mn, Mo, Ni, Pb, and Ti), and coating materi-
als (e.g., preservatives, coloring agents, film-forming agents, surfactants, and stabilizers).
Many of these coexisting substances are persistent; therefore, their effects might last be-
yond the most recent period of sunscreen use. These additional constituents influence
the bioavailability and degradability of sunscreen ingredients since the biogeochemical
routes into environmental media (water, sediment, and biota) and the hydrophobicity or
hydrophilicity of the substances contained in sunscreens are diverse and complex [1,81].
Moreover, the effects of sunscreen contamination (especially from commercial formulations
instead of individual compounds or ingredients) are sometimes difficult to perceive in
laboratory studies because of their complex matrix [82,83] and unknown composition [84].
Additionally, because of the diverse formats of sunscreens (e.g., cream, gel, spray, and oil),
their dilution and release of UVFs into water are different, as are their bioavailabilities and
toxicities [4,85].

It is likely that environmental exposure to inorganic UVFs and the chemicals contained
therein results from the production and consumption of sunscreens. Studies have indicated
that UVFs and other ingredients from sunscreens have been detected in the tissues of ma-
rine organisms, such as clams, oysters, gastropods, and fish [86,87], and have shown toxicity
in some aquatic species, such as the crustacean Daphnia pulex and the fish Danio rerio [88,89].
Rodríguez-Romero et al. [90] demonstrated with laboratory experiments and field measure-
ments that sunscreens are an important source of nutrients, such as nitrogen compounds
(NO3

−, NO2
−, and NH4

+) and phosphate (PO4
3−) in coastal marine environments, raising

the possibility of algal blooms in oligotrophic waters. More specifically, some concentra-
tions of the compounds (e.g., those of PO4

3-, NH4
+, NO3

−, and Ti) released into water vary
during the course of a day, which is known to be associated with variations in beach-goer
activities and changes in solar radiation [4]. Sunscreens have also been identified as sources
of high-risk metal substances [91], many of which (e.g., Al, Zn, Mg, Fe, Mn, Cu, Cr, and Pb)
have been detected and quantified in aquatic environments [4,92]. Moreover, the organic
components of sunscreens are readily removed from particle surfaces [93,94], which leaves
the inorganic UVFs exposed to the surrounding environment. Although the ecological
relevance of this input has not been well reviewed, Tovar-Sánchez et al. [4] suggested that
it could enhance primary production in the oligotrophic waters of the Mediterranean Sea.

In addition to the direct output of soluble substances from sunscreens, some indirect
metabolites are also produced in the water environment under sunlight. A study carried
out on a touristic beach indicated that both temporal (daily) and vertical (water column)
distributions of H2O2 concentrations generated by inorganic UVFs (nTiO2 and nZnO) were
present in marine waters [9]. According to the authors, the concentrations of H2O2 found
within the top centimeter of the surface layer were up to 41.6% higher than those in the
immediate subsurface waters [9]. Similarly, a large number of studies have indicated
that nTiO2 and nZnO produce ROS under sunlight exposure and induce oxidative stress
in organisms [62,95–98]. Therefore, more reliable information is required on the role of
sunlight in the release of the main ingredients and byproducts of sunscreens into water.
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Accordingly, sunscreen-derived inorganic UVFs are very likely to be released into
the main water bodies of lakes, rivers, and oceans but do not remain suspended for a
long time, with the most likely fates being aggregation, dissolution, and settling onto the
sediments due to the water chemistry conditions and the presence of natural colloids.
However, their environmental behaviors will be affected by the surface coating and various
physical and chemical factors, such as ocean currents, waves, and high salinity, and they
will undergo complex aggregation and dissolution reactions; moreover, their structural
form, distribution, and toxic effects will constantly change. Nevertheless, these behaviors
and transformation processes for inorganic UVFs must influence their bioavailability and
toxicity, which cause great impacts on natural aquatic ecosystems [80].

3. Toxicity of Inorganic UVFs on Aquatic Organisms

The adverse effects of organic UVFs on aquatic organisms have been reviewed in
recent literature [21], but studies on the ecological risk of inorganic UVFs are limited.
Although studies have found that inorganic UVFs do not cause more damage to humans
than organic UVFs [34,99–101], notably, the potential environmental effects of UVFs on
aquatic organisms are not taken into consideration during their production, and even
worse, few specific recommendations for the environmentally friendly use of sunscreens
have been offered by agencies or governments worldwide.

3.1. Interaction of Inorganic UVFs with Organisms in Aquatic Environments

Although inorganic UVFs are often coated with complex stabilizers, they are released
in particle form when sunscreen enters the water. When they enter the water environment,
inorganic UVFs tend to disperse, aggregate, dissolve metal ions, settle, absorb, and/or
bioaccumulate within organisms. Studies have shown that inorganic UVFs interact with
aquatic organisms in a variety of ways [83,102]. First, inorganic UVFs or their aggregates
can adsorb or wrap themselves around the surface of phytoplankton or microorganisms
and eventually be ingested by organisms. Second, filter-feeding or devouring animals, such
as planktonic amphipods, benthic shellfish, and polychaetes, can filter or swallow inorganic
UVFs directly. Third, organisms of high trophic levels can directly consume water that
contains inorganic UVFs or algae and other low trophic level organisms, and thus cause
the accumulation, transfer, and even magnification of inorganic UVFs along the food web
and result in unpredictable environmental effects and ecological risks.

3.2. Toxicity of Inorganic UVFs on Organisms at the Individual Level

Sunscreen-derived inorganic UVFs are widely distributed in all levels of water, includ-
ing the surface microlayer, water column, and sediment, which also results in interactions
with various environmental factors; thus, they are deemed to cause adverse effects on
various organisms in the aquatic environment. It is still difficult to conduct exposure exper-
iments specifically for sunscreen-derived inorganic UVFs since sunscreens in water release
not only inorganic UVFs but also many latent toxic chemicals, such as surfactants. Thus,
there is little direct laboratory evidence of the damage caused by sunscreen-derived inor-
ganic UVFs that primarily focuses on nTiO2 UVFs and nZnO UVFs in aquatic organisms
(Table 1).
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Table 1. Toxicity and potentially toxic mode of action (MoA) of inorganic UV filters on
aquatic organisms.

Inorganic UVFs Organism Exposure
Conditions Effects MoA References

TiO2 (release from
cosmetic products)

Algae (Thalassiosira
pseudonana)

0–96 h;
0.13–100 mg/L Growth inhibition Potential ROS

production [103]

nTiO2 from
sunscreens

Chaetoceros gracilis
(Bacillariophyceae);

Amphidinium carterae
(Dinophyceae);

Pleurochrysis roscoffensis
(Primnesiophycae);

Nannochloropsis gaditana
(Eustigmatophyceae)

75 h;
sunscreens

(1–200 mg/L) or
nTiO2 (1–10 mg/L)

Distribution of
phytoplankton

H2O2 produced
adsorption and

absorption by the
phytoplankton,

membrane
damage, ROS, and
perhaps genotoxic

damage

[104]

nTiO2 from
sunscreen

Sea urchin (Paracentrotus
lividus)

3 h, 24 h;
10, 20, and 50 µL/L

sunscreen

Sea urchin
development
impairment

decrease in
AChE activity [105]

nZnO (sunscreen-
derived)

Algae
(Thalassiosira pseudonana)

0–96 h,
10 and 50 mg/L Growth inhibition

Time- and
concentration-

dependent
bioaccumulation

[106]

ZnO from
sunscreen

Stony corals
(Acropora spp.)

48 h of in situ
condition
6.3 mg/L

Coral bleaching;
release of

zooxanthellae

dissolved Zn2+

Zn2+ shading
effects

[43]

zinc-containing
sunscreens

Sea urchin
(Strongylocentrotus

purpuratus) embryos

96 h;
0.01–1 mg/L

Malformations
(skeletal

abnormality, stage
arrest, and axis
determination

disruption)

Zn2+

internalized
[49]

nTiO2 and nZnO
from sunscreen Shrimp (Palaemon varians)

4 h
0–300 mg/L
sunscreen

Repellency and
mortality effects [85]

3.2.1. nTiO2 UVFs

Only a few studies have focused on the toxicity of inorganic UVFs to marine algae.
Early findings suggested that the nTiO2 from sunscreens alters the species density and
composition of the microalgae community due to the impairment of cell growth; sunscreen
toxicity levels are significantly related to UVR, which is commonly neglected in some
bioassays, but this could alter the results in important ways and should be considered
when performing environmentally relevant bioassays [104]. Because of its photochemical
properties, nTiO2 produces high concentrations of H2O2 as a result of UVR [9], which causes
toxic effects such as damage to cell membranes or cell walls [93], lipid peroxidation, growth
inhibition, and a decline in the proportion of healthy cells in microalgae populations [107].
Furthermore, the adsorption of nTiO2 particles on the surfaces of algae cells can cause
physical damage, such as shading effects, which inhibit cell growth [108].

Direct toxicology data on the effects of sunscreen-derived inorganic nTiO2 on zoo-
plankton, fish, and benthos are rare [49,103–106]. A recent study indicated that nTiO2
released from sunscreens causes repellency and mortality in shrimp (Palaemon varians)
and speculated that the avoidance response might be the main factor responsible for the
reduction in the shrimp population due to increasing sunscreen concentrations at the local
scale [85]. In addition, the nTiO2 released from sunscreens impairs sea urchin develop-
ment or causes malformations due to a decrease in AChE activity [49,105]. In realistic
environmental scenarios, the self-aggregation of inorganic UVFs into larger masses and
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their incorporation into aggregate materials might increase the bioavailability and toxicity
for algae, phytoplankton, zooplankton, and benthos along food chains.

3.2.2. nZnO UVFs

nZnO can absorb ultraviolet A-rays (UVA) and ultraviolet B-rays (UVB), while nTiO2
can only absorb UVB; therefore, nZnO provides better UV protection than nTiO2, and
its use in physical sunscreens may even exceed that of nTiO2 in the future [109]. Few
studies have assessed the potential release and toxicity of sunscreen-derived nZnO in
aquatic environments [43,49,85]. For instance, studies conducted with zooplankton and
benthic animals exposed to nZnO-containing sunscreen showed repellency and mortality
effects in shrimp [85], irreversible coral bleaching, and widespread mortality of symbiotic
zooxanthellae [43], which primarily resulted from Zn2+ toxicity. Moreover, studies have
shown that the toxicity of nZnO UVFs appears to be related to solubility or the release of
toxic metal ions (Zn2+) instead of aggregation, which leads to the conclusion that higher
Zn2+ solubility is accompanied by higher toxicity [110]. Similarly, the nZnO released from
sunscreens has caused impairments or malformations in sea urchin development due to
Zn2+ internalization [49,105]. These results indicate that the solubility of nZnO plays a
critical role in the toxicity of physical sunscreens to marine organisms [11].

It has been reported that the surface properties of inorganic UVFs, including the pH
and ionic strength of the solution, affect their solubility, which largely determines the extent
of toxicity [111,112]. Attempts have been made to reduce solubility and, consequently,
ZnO toxicity through iron doping. Although this strategy has been shown to reduce ZnO
cytotoxicity in cell cultures [113], Fairbairn et al. [72] found that 10% iron-doped ZnO is just
as toxic as non-doped ZnO to sensitive marine embryos. The solution pH and ionic strength
may affect the adsorption of NPs onto cells due to changes in surface charges [114–116]. In
addition, Peng et al. [117] reported different sensitivities to nZnO in three marine diatoms
(Thalassiosira pseudonana, Chaetoceros gracilis, and Phaeodactylum tricornutum) and introduced
the idea that the morphologies of nZnO samples also affect their toxicities. These results
confirm that the toxic mechanisms of inorganic UVFs are related to various toxic factors;
thus, more systematic studies are needed to elucidate their toxicity profiles.

3.3. Impacts of Inorganic UVFs on Multiple Trophic Levels

Given the persistence and stability of inorganic UVFs such as nTiO2, organisms
can accumulate and even transfer these substances along food chains [35,49,85,118,119].
Previous studies have shown that nTiO2 and nZnO can be internalized into the cells of
bacteria and algae and accumulate in aquatic organisms, including zooplankton, swimming
organisms, and benthos [1,83,120,121]. Notably, it is highly possible that inorganic UVFs
are transferred from lower trophic organisms to higher trophic organisms through predator-
prey relations and biomagnification in the food web [122,123]. In fact, the bioaccumulation
of chemicals released from sunscreens has been detected in fish and mussels [124–126],
while the mechanisms by which inorganic UVFs transfer in a food web are still not clear.
Studies have shown significant amounts of nTiO2 in the dietary exposure groups, which
indicates that dietary intake may constitute a major route of trophic transfer [123]. For nZnO,
the transfer behaviors can be divided into particle and metal ion accumulation routes since
nZnO easily dissolves to produce Zn2+. Considering that some aquatic organisms, such as
fish and clams, are human food sources and provide food for wildlife, the bioaccumulation
and trophic transfer of inorganic UVFs along the food chain have raised increasing concerns.

3.4. Potential Mechanisms for the Toxicity of Sunscreen-Derived Inorganic UVFs

Since the two most commonly used inorganic UVFs, i.e., nZnO and nTiO2, are NPs,
they share similar behaviors in aquatic environments, as mentioned above. Therefore, it has
been hypothesized that the toxicity of sunscreen-derived NPs might arise from mechanisms
similar to those of raw nTiO2 and nZnO. Although the aquatic toxicities of raw nTiO2 and
nZnO have been well-studied in previous reviews [22,60,127], the toxicological evaluation
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of the mechanism on sunscreen-derived inorganic UVFs with aquatic organisms has only
recently begun, and few studies have assessed the toxic performance of sunscreen-derived
NPs compared with those of engineered raw NPs [106].

As shown in Figure 2, adsorption or absorption is important and constitutes the
first step in the interaction between NPs and aquatic organisms. Engineered raw NPs
may attach to the surfaces of aquatic organisms and cause physical effects such as shade
photosynthesis, direct mechanical damage to phytoplankton, or blocking vital movement in
zooplankton [60]. Wang et al. [128] reported that nTiO2 significantly inhibits Phaeodactylum
tricornutum growth directly through physical effects such as cell wall damage that arises
from algae entrapment. Although we recently found that sunscreen-derived inorganic UVF
particles can be absorbed on the surfaces of button corals (unpublished data) and result
in the contraction of tentacles, related reports are rare; thus, more studies are encouraged
with other aquatic organisms to provide direct evidence.

Figure 2. Potential mechanisms for sunscreen-derived inorganic UVF toxicity in aquatic organisms.

Internalization has been deemed a common pathway for the uptake of engineered
NPs by algae [128,129]. Once they penetrate the cell barrier, NPs can undergo translocation
into the intracellular environment via diffusion or endocytosis [130]. Here they can interact
with DNA or attach to organelles in cells and block normal function or cause genetic
impacts [60,127]. Genetic effects may be produced by the direct binding of NPs with DNA,
by the indirect damage from the ROS generated by NPs, or by the toxic ions released from
soluble NPs [60]. Although few studies have directly demonstrated the genetic damage
induced by sunscreen-derived NPs, the ROS generation or Zn2+ dissolution from physical
sunscreens can impact the DNA or RNA of aquatic organisms. In particular, small single
NPs (<10 nm) can reach the nucleus through nuclear pores, while larger NPs may also have
the opportunity to bind with DNA molecules when the nuclear membrane dissolves due to
the division of cells during mitosis. The overall uptake of the NPs that reach the nucleus
through diffusion across the nuclear membrane or that are transported through nuclear
pore complexes presents the danger of subsequent direct interactions with cellular genetic
material [60].

Following attachment, NPs may accumulate on cell surfaces or transfer to specific
organs or tissues (e.g., stomach, gills, and liver) for storage [60]. Previous studies have
shown that metal-based NPs can be ingested and can accumulate in single aquatic or-
ganisms [60,131] or undergo trophic transfer in the food chain [122,123], especially with
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higher trophic level organisms such as fish or filter-feeder organisms such as fleas and
many benthic organisms (e.g., mussels, oysters, and clams), after waterborne or foodborne
exposure [117,132–134]. The bioaccumulation of nTiO2 and nZnO has been shown to inhibit
the growth of aquatic organisms [117,132]. In fact, there is evidence that bioaccumulation
is directly related to the toxicity of NPs [135,136]. These studies show that NPs mainly ac-
cumulate in specific organs or tissues in aquatic organisms and thus inhibit their biological
intake and affect their biological metabolism and energy acquisition. Notably, NP absorp-
tion and bioaccumulation cause physical damage and then lead to adverse consequences for
organisms, including oxidative stress, behavioral inhibition, and death. However, studies
on the bioaccumulation of sunscreen particles are scarce. Although we recently found that
the active components of physical sunscreen (Ti and Zn) are bioaccumulated in button
corals (unpublished data), we still have not clarified how they enter coral individuals, the
organs or tissues in which they prefer to accumulate, or the consequences that ultimately
result. A remaining question is whether sunscreen-derived NPs exhibit toxic mechanisms
similar to or different from those of raw NPs, since limited studies have only recently been
published (shown in Table 1). However, the availability of studies on raw engineered NPs
definitely shows that further studies to elucidate the toxicity profiles of physical sunscreens
are urgently needed.

The specific toxicity of the MoA to metal-based NPs is related to ROS generation and
subsequent ROS-induced oxidative stress. Oxidative stress and cellular toxicity are of
concern because nZnO and nTiO2 can penetrate the stratum corneum, enter the dermis,
and ultimately reach the blood supply [120,137–140]. Previous results have suggested that
the physical interactions of NPs induce significant oxidative stress, which provides direct
evidence for the toxicological impact of engineered raw NPs in aquatic organisms [128,135].
In general, both sunscreen-derived and raw NPs can undergo photooxidation and generate
ROS under sunlight irradiation, and ROS overgeneration is deemed to result in subse-
quent cell membrane damage, lipid peroxidation, growth inhibition, and other negative
impacts [103,141,142]. Sunscreen-derived nTiO2 has been indicated to induce the pho-
tocatalytic generation of ROS, such as H2O2, in vitro and cause growth inhibition and
distribution changes in algae [9,103,104,143]. Moreover, inorganic UVFs enter aquatic or-
ganisms and induce ROS generation in vivo, which causes toxicological impacts on Chlorella
spp. [144]. The production of ROS, either in vitro or in vivo, directly or indirectly, causes
oxidative stress. According to a study on raw NPs, the in vitro aqueous production of ROS
by raw NPs requires photosensitization; that is, the production of ROS is driven by light, es-
pecially UVR. Although the generation of ROS is instantaneous, ROS are usually quenched
within seconds by reducing substances, and it has been reported that ROS produced in vitro
exert harmful effects on organisms [9,60,104,145]. However, most related studies have been
conducted to probe ROS generation in vivo and provide direct evidence of oxidative stress
after NP exposure [128,135]. Unlike raw engineered NPs, sunscreen-derived NPs are often
coated or modified when they are applied to cosmetic products. Once sunscreen is in
water, inorganic UVFs released from sunscreen are complex and can exist in the form of
aggregates of various complex components [40,41], including surface-modified complexes
or raw NPs. To our knowledge, no study has been conducted to clarify whether coating
modifications alter photosensitivity or affect the extent or duration of oxidative stress.
However, for sunscreen-derived nTiO2, studies have indicated that their toxicity is also
affected by coexisting coatings, which might have determined their aggregated sizes or the
levels of ROS generated. Studies have shown that UVFs coated with inert protective films
(such as SiO2, Al2O3, or organic matter) or coating materials such as organomodified silicon
oxide exhibit significantly reduced production of ROS on the surfaces of NPs and alter the
impacts of ROS on organisms, even during UVR [146,147]. That is, coating materials allevi-
ate the impacts of ROS that result from sunscreen-derived UVFs on organisms. It is easy to
understand that the coatings and modifications are meant not only to shield or reduce UV
damage but also to prevent the adverse biological effects of UVFs [147]. Oxidative stress
should be a common toxicity MoA for the two types of particles, but differences exist in
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the detailed MoA and sites affected (in vitro or in vivo). Raw engineered NPs are more
often focused on the generation of ROS in vivo, while sunscreen-derived NPs are more
often focused on the generation of ROS in vitro. Since these coating materials affect the
behavior and toxicity of sunscreen-derived inorganic UVFs, the impacts of the different
coating materials and their diverse characteristics on the toxicity of inorganic UVFs should
be given more attention and considered during the development of safe sunscreens.

Furthermore, as with oxidative stress, metal ions can be released from both sunscreen-
derived and raw NPs, which plays an important role in their toxicity to aquatic organisms.
In contrast to the largely insoluble nTiO2, nZnO can rapidly dissolve as Zn2+ in water [44],
and Zn2+ is the major contributor to the toxicity of sunscreen-derived nZnO [49]. For
example, nZnO toxicity to the marine diatom Thalassiosira pseudonana has been solely
explained by the Zn2+ reaction [148]. Zn2+ toxicity constitutes another unique toxic MoA for
nZnO UVFs. For raw engineered nZnO, the toxicity can be ascribed to Zn2+ concentrations;
however, the coatings of sunscreen-derived nZnO often delay the dissolution equilibrium
and lead to an increased concentration of Zn2+ cations at equilibrium [78]. Spisni et al. [106]
reported that the toxicity of sunscreen-derived nZnO for the growth of algae (Thalassiosira
pseudonana) appears to be lower than that of raw nZnO at relatively low concentrations,
but the toxicity levels become similar when concentrations are increased to 50 mg/L.
Recently, Corinaldesi et al. [43] found that sunscreen-derived nZnO induces the complete
and latent irreversible bleaching of stony coral and rapid and widespread mortality of
symbiotic zooxanthellae. Presumably, these effects are attributable to the toxicity of Zn2+,
which causes alterations in the composition of the cellular membrane lipids of hard corals
and their symbiotic organisms [149]. This is of concern because an increasing number of
manufacturers are using ZnO rather than TiO2 in sunscreens.

Accordingly, the MoAs for the toxicity of sunscreen-derived inorganic UVFs are similar
to those of raw engineered NPs, but they exhibit some differences due to the complex
surface coatings and modifications. Sunscreen-derived NPs exist in forms that are more
complicated than those of raw NPs, and nanoparticle monomer toxicity, agglomeration
toxicity, or complex mixed toxicity may result when they enter water. In contrast to
engineered NPs, inorganic UVFs are often coated with stabilizers in sunscreens to prevent
aggregation [27,93,150,151]; thus, they result in altered interactions with organisms [152]
and differences in the extent of toxicity [104,106]. Compared with raw nTiO2, the presence
of some stabilizers increases the toxicity of NPs and the inhibition of growth in Escherichia
coli (E. coli) [57]. Moreover, the sizes of TiO2 particles are relatively small and appear to
contribute to E. coli cell damage [60], and nTiO2 samples with small particle sizes, large
surface areas, and strong electrostatic attractions easily act as carriers of other environmental
pollutants [136,153,154], including the other components of sunscreens, which affect their
toxicity to aquatic organisms. Accordingly, although sunscreen-derived inorganic UVF-
engineered NPs exhibit some similarities in toxicity and MoA, the presence of surface
coatings or modifications is known to cause differences and result in different toxicities;
thus, further study is required to increase our understanding of these differences and
their origins.

4. Conclusions and Future Perspectives

This study reviewed the fate and toxicity of inorganic UVFs in aquatic environments,
with information on their sources, environmental behaviors, and toxicities to aquatic
organisms from the individual to the trophic transfer levels. Inorganic UVFs derived
from sunscreens are often dispersed, aggregated, dissolved into waters, and settled into
sediments, and they tend to be absorbed and bioaccumulated by organisms; this results
in adverse effects on various organisms in the aquatic environment, which are directly
influenced by various environmental factors and the presence of coatings; resulting in
different environmental fates and toxicities compared with raw engineered NPs.

Inorganic UVF-containing sunscreens are deemed to be a source of multiple environ-
mental pollutants, and they pose new environmental risks to aquatic environments. As
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indicated by data on coastal-zone population growth and tourism activities, sunscreens
exhibit the fastest growth in global sales. This fact, together with recent research that
indicates the presence and accumulation of UVFs in environmental media, emphasizes
the potential damage that could be caused in marine areas. Thus, future investigations
are needed to understand the magnitude and real impacts of these emerging pollutants
in marine systems, including studies on the distribution and partitioning in the water
column, dissolution and speciation of their main components, evaluation of the ecological
significance of nutrient input, and residence time, aging, persistence, accumulation, and
toxicity in the trophic chain.

Most studies on the environmental behaviors of inorganic UVFs have been conducted
under laboratory conditions, which may not represent realistic natural environments.
Although some recent studies have investigated the aggregation, dissolution, and trans-
formation of UVFs in natural water bodies by collecting lake water and seawater samples,
knowledge of the environmental fate of inorganic UVFs in the real environment is still
limited. In fact, UVFs can be greatly impacted by various factors in the natural environment,
which complicates their behavior. Thus, further studies should be conducted under realistic
environmental conditions to the fullest extent possible.

Moreover, a thorough understanding of the causal relationship between the properties
of inorganic UVFs and toxicity remains largely elusive. Although many studies have been
performed on the implications of these NPs for aquatic organisms, there is an insufficient
characterization of the material properties and the relationship between the observed
toxicity and specific features of inorganic UVFs, such as Zn2+ toxicity, bioaccumulation,
shading effects, and ROS generation. Thus, establishing a quantitative correlation between
environmental behaviors and toxicity would facilitate the future evaluation and prediction
of the toxicity of related cosmetic products.

Finally, many previous studies have attributed the toxicity of inorganic UVFs to one
or two major aspects of material properties or solution behaviors. Nevertheless, mate-
rial properties are often interrelated and interdependent. Moreover, after undergoing the
abovementioned processes, the coating materials, size distribution, and surface properties
of the particles will be dramatically affected. Thus, tracking dynamic aggregation or disag-
gregation to determine the actual fractions of nanosized inorganic UVFs and aggregated or
agglomerated particles at cellular interfaces remains the most important issue identified
thus far.

Notably, regardless of the recommended usage level and the ways in which people
use cosmetic products, the potential environmental effects of UVFs on nontarget organ-
isms were not taken into consideration when governments and agencies developed their
recommendations. In particular, although large quantities of sunscreen can be released
directly into seawater during recreational activities carried out on hot days, there are very
few specific recommendations for the use of sunscreens in coastal areas. Therefore, the
ecotoxicological testing of whole products should be included in future assessments of
environmental risks and in developing recommendations and regulations for the usage
and formulation of commercial sunscreens.
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Abstract: Leakage of metal oxide nanoparticles (MNPs) into marine environments is inevitable with
the increasing use of MNPs. However, little is known about the effects of these lately emerged
MNPs on the bioaccumulation and toxicity of pre-existing contaminants in marine biota. The current
study therefore investigated the effects of two common MNPs, CuO nanoparticles (nCuO) and
Fe3O4 nanoparticles (nFe3O4), on bioaccumulation and toxicity of arsenic (As) in green mussel Perna
viridis. Newly introduced MNPs remarkably promoted the accumulation of As and disrupted the As
distribution in mussels because of the strong adsorption of As onto MNPs. Moreover, MNPs enhanced
the toxicity of As by disturbing osmoregulation in mussels, which could be supported by decreased
activity of Na+-K+-ATPase and average weight loss of mussels after MNPs exposure. In addition,
the enhanced toxicity of As in mussels might be due to that MNPs reduced the biotransformation
efficiency of more toxic inorganic As to less toxic organic As, showing an inhibitory effect on As
detoxifying process of mussels. This could be further demonstrated by the overproduction of reactive
oxygen species (ROS), as implied by the rise in quantities of superoxide dismutase (SOD) and lipid
peroxidation (LPO), and subsequently restraining the glutathione-S-transferases (GST) activity and
glutathione (GSH) content in mussels. Taken together, this study elucidated that MNPs may elevate
As bioaccumulation and limit As biotransformation in mussels, which would result in an enhanced
ecotoxicity of As towards marine organisms.

Keywords: As; metal oxide NPs; detoxification; biotransformation; Perna virids

1. Introduction

The commercial use of metal oxide nanoparticles (MNPs) has increased drastically
over the decades in various industrial applications such as biochemical coatings, drug
delivery, magnetic resonance imaging and catalysts, as well as in controlling environmental
pollution [1–6]. Among these MNPs, CuO nanoparticles (nCuO) and Fe3O4 nanoparticles
(nFe3O4) are importantly and commercially used nanomaterials, due to their unique
properties such as large surface area, high surface reactivity and excellent affinity for heavy
metals [7]. Nevertheless, the extensive use of nCuO and nFe3O4 in a variety of consumer
products has resulted in their release into aquatic environment [8]. Unintentionally released
nCuO and nFe3O4 may co-occur with pre-existing contaminants in aquatic environment,
which would eventually alter the contaminants’ environmental behaviors, fate and toxicity
to the ecosystem and even human health [9].

Arsenic (As) has been ubiquitously found in coastal regions, with a background con-
centration of up to dozens of µg/L due to anthropogenic processes (such as industrial,
agricultural and mining effluents) [10,11]. As can be accumulated by marine organisms [12]
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and cause adverse biochemical and physiological effects such as immune disorders, re-
duced reproduction and growth, cell and tissue damage, and cell death [13]. However,
there has been little information about the effect of newly emerged nCuO and nFe3O4 on
the pre-existing As bioaccumulation and toxicity in marine organisms. Previous studies
have focused on the ecotoxicity of target MNPs (including bacteria, protozoa, water flea,
fish, bivalves and so on) rather than their effect on co-existing contaminants [14–17]. In-
terestingly, recent research found that TiO2 nanoparticles could inhibit biotransformation
of inorganic As to organic As in the mussel Perna viridis [18], which confirmed that the
MNPs could affect the toxicity of co-existing contaminants in aquatic organisms. However,
it is still too little evidence to make comprehensive conclusions on the information about
how the more recently introduced MNPs affect the behavior and toxicity of pre-existing
contaminants in marine environments. More research is needed in this field to better assess
the ecological risk of MNPs and As in marine environments.

Therefore, the purpose of this research is to investigate the effects of two typical MNPs
(nCuO and nFe3O4) on the biotransformation and detoxification of As in the green mussel
Perna viridis (P. viridis), following a series of long-term waterborne As exposures and As
MNPs co-exposures. P. viridis is one of the most widely distributed bivalve species in marine
environments. They are proficient at taking up suspended particles and accumulating
contaminants under a wide range of environmental conditions [19,20] thus making them
a good biomonitor and a key species for assessing the ecotoxicity of MNPs [21]. Here,
we designed an aquaculture system to mimic the real exposure in marine environments
where As exist chronically, and P. viridis already is acclimated to it. Then, the MNPs were
considered as the new contaminant emerging in this system, hence providing opportunity
to study their contributions to the ecotoxicity of As in P. viridis. We consequently analyzed
As bioaccumulation and distribution, measured As speciation and As biotransformation-
related biomarkers in order to facilitate the interpretation of the underlying mechanisms.
We hypothesise that the lately introduced MNPs would enhance bioaccumulation and
toxicity of As in marine mussel P. viridis. Overall, our findings would provide useful
information for assaying the ecological risks of MNPs and As.

2. Materials and Methods
2.1. Chemicals and Nanoparticles Characterization

nCuO and nFe3O4 (<10 nm, purity ≥99.5%) stock suspensions were prepared in
ultrapure water, sonicated (50 W, 40 kHz, KQ2200, Kun Shan Ultrasonic Instruments Co.,
Ltd, KunShan, China) for 30 min to reach a concentration of 1 mg/L, respectively. The
MNPs were characterized prior to the toxicity tests. Specifically, the morphology of MNPs
were analyzed at a dilution of 1 mg/L by transmission electron microscopy (TEM, Tecnai G2
Spirit, FEI, Hillsboro, OR, USA) and the particle sizes of MNPs during 24 h in seawater were
determined at 20 ◦C by dynamic light scattering (DLS) with a zeta potential analyzer (Zeta-
PALS, Brookhaven, Holtsville, NY, USA), more details on the characterization methods
are described in Gomes et al. [3]. Na2HAsO4·7H2O was purchased from Sigma (Saint
Louis, MO, USA), and the 1000 mg/L As(V) stock solution was made by dissolving it in
artificial seawater.

2.2. Experimental Design

Green mussels P. viridis (n = 72, 6 ± 1.1 cm) were collected South of Guangdong
Province (114◦64′ E, 22◦46′ N) and acclimated for seven days in artificial seawater at a
constant temperature with aeration. After acclimation, half of the mussels were placed
in 50 µg/L As(V) exposure media in a triplicate design, along with a control group kept
in artificial seawater, for a period of 21 days. Water was completely changed every day
with redosing after each change. Mussels were collected from control, 50 µg/L As(V) in
the beginning of the experiment and after 1, 3, 7, 10, 14, and 21 days of exposure. After
sampling, the mussels were washed, wet-weighed and stored at −80 ◦C for further use.
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After 21 days of single As(V) exposure, co-exposure with MNPs were prepared
by introducing 1 mg/L MNPs to control groups and 50 µg/L As(V) exposure groups
(control groups: control + nCuO and control + nFe3O4, 50 µg/L As(V) exposure groups:
As(V) + nCuO and As(V) + nFe3O4), for a period of 14 days, each co-exposure had three
independent replicates. The concentration of MNPs selected was environmentally relevant.
Three mussels were collected from control + nCuO, control + nFe3O4, As(V) + nCuO and
As(V) + nFe3O4 in the beginning of the experiment and after 1, 3, 7, 10 and 14 days of
exposure. After sampling, the mussels were washed, wet-weighed, dissected, and stored
at −80 ◦C for further use. More details of the experiment design can be found in the
Supplementary Materials.

2.3. Analysis of As in Mussels

The total As content in mussel was analyzed according to previously used meth-
ods [22] with minor modifications; microwave digestion was used to treat mussels in this
study. The As concentration was measured by using an inductively coupled plasma mass
spectrometer (Thermo ScientificTM ICAP-Q, ICP-MS, Thermo Fisher Scientific, Waltham,
MA, USA). The As species were extracted by using a two-step sequential extraction as
described previously [23]. The concentration of As in mussels with different species
(inorganic As(III) and As(V), organic monomethylarsonic acid (MMA), dimethylarsinic
acid (DMA), and arsenobetaine (AsB)) was determined by using a Thermo Scientific
IC5000 ion chromatography system combined with a Thermo ScientificTM ICAP-Q, ICP-MS
(IC-ICP-MS) [18].

2.4. As Bioconcentration Factor (BCF)

In the present study, we used BCF (which expresses the accumulation of a chemical
substance directly from water through the gill apparatus and shells) to determine the
accumulation of As in mussels based on the As concentration in the dry tissues of mus-
sels. Specifically, BCF (L/kg, dw) was calculated as: BCF = As concentration in tissues
(µg/g)/As concentration in culture water (mg/L).

2.5. As(V) Adsorption to MNPs in Seawater

Kinetic adsorption of As(V) onto MNPs were conducted in artificial seawater, using
the same concentration as the exposure condition (50 µg/L As(V), 1 mg/L nCuO/nFe3O4).
The details are provided in the Supplementary Materials.

2.6. Biomarkers Determination

Dried mussel tissues (50 mg) were homogenized with a 0.86% NaCl solution by using
a tissue homogenizer. The supernatant was collected to assess the biomarkers after the
homogenate of mussels’ tissues was centrifuged at 3500 rpm at 4 ◦C for 10 min. In this study,
Na+-K+-ATPase (NKA), Superoxide dismutase (SOD) activity, lipid peroxidation (LPO)
levels, reduced glutathione content (GSH) and glutathione-S-transferases (GST) in mussels’
tissues were chosen as the biomarkers, which were measured spectrophotometrically using
the commercial kits (Nanjing Jiancheng Bioengineering Institute, Nanjing, China) on the
basis of the manufacturers’ protocols. Specifically, the SOD activity was measured with a
spectrophotometer (Milton Roy Spec20, Milton Roy Co., Rochester, NY, USA) at 550 nm, the
LPO levels of different groups were detected using a thiobarbituric acid reactive substances
(TBARS) assay, by measuring the amount of MDA-thiobarbituric acid (TBA) complex at
535 nm. In addition, the GSH content was estimated by the 5,5′ dithiobis-(2-nitrobenzoic
acid) (DTNB)-glutathione reductase coupled assay at 420 nm, the GST was determined
spectrophotometrically using commercially available GST activity kits based upon the
GST-catalyzed reaction between glutathione (GSH) and the GST substrate 1-chloro-2,4-
dinitrobenzene (CDNB) at 412 nm. The NKA activity was measured spectrophotometrically
using NKA assay kit at 636 nm.
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2.7. Statistical Analysis

SPSS version 19.0 (IBM, Armonk, NY, USA) was used to perform statistical analysis
on the obtained data. As the data was normally distributed and the variances were
homogenous, the differences within treated groups were evaluated by one-way analysis of
variance (ANOVA) with Tukey’s posthoc tests. A probability level (p-value) of less than
0.05 was regarded as statistically significant.

3. Results and Discussion
3.1. MNPs Characterization

The morphology, size and distribution of nCuO and nFe3O4 were obtained by TEM
analysis and DLS analysis. nCuO are spherical in shape with a mean size of 10 ± 3 nm.
nFe3O4 are mainly spherical in shape and not strongly aggregated (Figure 1A,B). The size
of both nCuO and nFe3O4 (<10 nm) reported by the manufacturer is broadly in agreement
with the size obtained by TEM. In addition, we also determined the mean particle size by
using DLS, both nCuO and nFe3O4 aggregated immediately when they were introduced
to artificial seawater, and their sizes kept increasing during the 24 h exposure period
(Figure 1C). Moreover, high polydispersity indexes were observed for nCuO (polydispersity
index between 0.21 and 0.53) and nFe3O4 (polydispersity index between 0.22 and 0.56),
suggesting that under the exposure conditions, both MNPs tendency to aggregate produces
suspensions with the presence of both single particles and large aggregates, with size
ranging from 10 to 414 nm for nCuO and 40 to 679 nm for nFe3O4. Several reports have
shown the tendency of MNPs to form aggregates while in suspension by using the same
particles [21,24,25].
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3.2. Exposure to MNPs Increased As Bioaccumulation and Altered As Distribution in Mussels

In the current study, P. viridis were firstly acclimated to the artificial seawater condition
(as control mussels) and 50 µg/L As(V) exposure condition. Later, MNPs were introduced
to the culture system in order to mimic the contaminated natural environment where As
has pre-existed and MNPs were lately introduced as a new contaminant. The single As(V)
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exposure experiment showed that after 21 days exposure, no mortality was observed in
both 50 µg/L As(V) exposure condition and control exposure condition, which confirmed
that As could be detoxified in marine mussels [26]. Moreover, total body As concentrations
in control mussels remained stable after 21 days exposure. However, the total body
As concentration in mussels exposed to 50 µg/L As(V) after single As(V) exposure was
significantly higher (10.14 ± 0.71 µg/g dw) in comparison to the ones in control mussels
(6.26 ± 0.09 µg/g dw) (Figure 2A). These results validated that As can be accumulated and
retained inside in mussels when mussels exposed to it through seawater, similar to the
previous study in marine medaka (Oryzias melastigma and Oryzias latipes) [27,28].
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After 21 days single As(V) exposure, co-exposure with MNPs were prepared by
introducing 1 mg/L MNPs to control groups and 50 µg/L As(V) exposure groups (con-
trol groups: control + nCuO and control + nFe3O4, 50 µg/L As(V) exposure groups:
As(V) + nCuO and As(V) + nFe3O4) for a period of 14 days. It was apparent that both
nCuO and nFe3O4 did not change total body As concentrations in control + nCuO and
control + nFe3O4 mussels. By contrast, As accumulation in As(V) + MNPs co-exposure
mussels was increased (Figure 2B). Specifically, after co-exposure to As(V) + nFe3O4 for
14 days, the total body of As concentration in mussel increased from a concentration of
10.14 ± 0.71 µg/g dw to that of 17.23 ± 0.67 µg/g dw. Likewise, total body As concentra-
tion in mussel reached a new equilibrium (20.3 ± 0.36 µg/g dw) compared to a previous
one (10.14 ± 0.71 µg/g dw) after co-exposure to As(V) + nCuO for 14 days (Figure 2B).
Moreover, as the bioaccumulation potential of As by mussel can be measured by BCF
value, the BCF for As(V) + nCuO and As(V) + nFe3O4 were calculated to be 406 L/kg dw
and 344.6 L/kg dw at new equilibrium, respectively, which were remarkably higher than
that (202.8 L/kg dw) in single As(V) exposure. These results implied that both nCuO and
nFe3O4 could elevate As bioaccumulation in mussels.

The elevated As bioaccumulation in mussels could be due to the effectiveness of MNPs
for adsorption of As [29,30]. Regarding metalloids such as As, previous studies identified
the ‘Trojan horse effect’ consisting of MNPs capacity to adsorb co-existing pollutants and
thus enabling for their uptake by organisms [31–33], which may increase their toxicity
impacts. In the present study, we also investigated the adsorption of As onto nCuO/nFe3O4
in artificial seawater. There was a rapid uptake of As(V) in the first 30 min, and then it
reached equilibrium. The adsorption equilibrium of As(V) on nCuO and nFe3O4 were
86.37% and 80.21%, respectively (Figure S1). In addition, as introduced in the first section,
P. viridis are proficient at taking up suspended particles and accumulating contaminants,
thus, mussels might increase the total As concentrations in their body effectively by filter
water and suspended particles containing As.

In addition, as previous researchers have pointed out the excellent affinity of nCuO and
nFe3O4 towards As [7], it is likely that the distribution of As among mussels’ tissues would

158



Nanomaterials 2021, 11, 2769

be disrupted due to this unique property of MNPs. Thus, we analyzed As distribution
in both single As(V) exposure and co-exposure mussels. The results showed that As was
mainly retained in visceral mass under single As(V) exposure (Figure 3A). However, the
distribution of As in mussels’ tissues altered remarkably where gill was the main tissue for
As retaining rather than visceral mass under co-exposure with As+MNPs. Furthermore,
the visceral mass retained ever lower As concentrations (although not significantly) after
co-exposure with MNPs compared to that in single As(V) exposure mussels (Figure 3A).
This indicated that although As ingestion by mussels was elevated after co-exposure to
either one of nCuO and nFe3O4, gill was the main tissue responsible for As retaining
instead of visceral mass, resulting in higher stress levels in gill tissue [34,35].
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Figure 3. As Distribution before and after exposed to nFe3O4 and nCuO in mussels (A). Na+-K+-ATPase (NKA) activities
in mussels exposed to different treatments at the end of the exposure (B). Body weight of mussels at the end of single
As(V) exposure and co-exposure (C). Values are the mean ± SD (n = 6). Significant differences (p < 0.05) among exposure
conditions were represented with different letters. Control: Mussels exposed to artificial seawater for 21 days (single
exposure). Control + nCuO: Mussels exposed to 1 mg/L nCuO for 2 weeks after control exposure (co-exposure). Control
+ nFe3O4: Mussels exposed to 1 mg/L nFe3O4 for 2 weeks after control exposure (co-exposure). 50 µg/L As(V) only:
Mussels were cultured in 50 µg/L As(V) solution for 21 days (single exposure). 50 µg/L As(V) + nCuO: Mussels exposed to
50 µg/L As(V) + nCuO for 2 weeks after 50 µg/L As(V) exposure (co-exposure). 50 µg/L As(V) + nFe3O4: Mussels exposed to
50 µg/L As(V) + nFe3O4 for 2 weeks after 50 µg/L As(V) exposure (co-exposure).

3.3. Exposure to MNPs Enhanced the Toxicity of As in Mussels

It is possible that the toxicity of As for mussels might be enhanced since the As
bioaccumulation and distribution in mussels significantly changed after exposure to MNPs.
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As mentioned above, the distribution of As in mussels’ tissues altered remarkably under
co-exposure with As + MNPs, where gill was the main tissue responsible for As retaining
instead of visceral mass. Gill, as a unique organ for mussel osmoregulation, might be
damaged by the elevated As concentrations [36]. To test our hypothesis, we assessed the
osmoregulation capacity of gill by estimating the activities of Na+-K+-ATPase (NKA), since
NKA is important not only for osmoregulation, but also for providing a driving force for
many transporting systems in marine organisms [36]. Indeed, NKA activities decreased
after exposure to nCuO/nFe3O4 (Figure 3B), which confirmed the osmoregulation disorder
in mussels after MNPs exposure. Specifically, compared with the control exposure and
As(V) single exposure, the NKA activity after exposure to nCuO/nFe3O4 was decreased
by 51.1%/43.8% and by 53.3%/59.6%, respectively (Figure 3B). The energy metabolism
of mussels was inhibited by the decreasing of osmoregulation capacity of mussels due to
the decrease in NKA activity, causing a potentially physiological response, which resulted
in affecting the growth of mussels. Although no mortality was observed in both single
As(V) exposure condition and co-exposure condition, the average body weight of mussels
after As(V) + MNPs exposure were significantly lower than that of the mussels in single
As(V) exposure (Figure 3C), which confirmed the increased toxicity toward mussels after
MNPs exposure.

Previous studies have reviewed that As could be detoxified in aquatic organisms
through a series of detoxification strategies. One of the main strategies is As biotransforma-
tion. On the one hand, marine organisms could reduce less toxic As(V) to more toxic As(III)
and subsequently excrete it, since As(III) is more easy to excrete compared to As(V) [37].
On the other hand, marine organisms can firstly reduce As(V) to As(III), afterwards, As
methylation process occurred where As(III) was methylated to organic As species such as
MMA, DMA and AsB [26,38]. Thus, the enhanced toxicity of As in mussels could also be
attributed to the disrupting of As biotransformation in mussels after addition of MNPs. To
test our hypothesis, we then analyzed the contents of both organic As species (i.e., MMA,
DMA and AsB) and inorganic As species (i.e., As(III) and As(V)) in mussels after both
single As(V) exposure and co-exposure.

As shown in Figure 4 and Table S1, the concentrations of organic As species and
inorganic As species increased in mussels after co-exposure to As(V) + nCuO and As(V)
+ nFe3O4, which confirmed an elevated As bioaccumulation in mussels due to the lately
introduced nCuO and nFe3O4. Surprisingly, after co-exposure to As(V) + nCuO and As(V)
+ nFe3O4, the percentage of inorganic As species in mussels increased from 23.5% to 44.0%
and 44.7%, respectively (Figure 4D–F, Table S1). As a result, the percentage of organic
As in mussels after co-exposure to As(V) + nCuO and As(V) + nFe3O4 decreased from
76.5% to 56.0% and 55.3%, respectively (Figure 4D–F, Table S1). Particularly, inorganic As
to organic As ratios in mussels after co-exposure to As(V) + nCuO and As(V) + nFe3O4
were 0.81 and 0.79, respectively, which were significantly higher than that (0.30) before the
introduction of nCuO and nFe3O4 (Table S1). These results therefore implied that nCuO and
nFe3O4 may restrict As biotransformation by limiting the transformation of inorganic As to
organic As.

More importantly, As(V) to As(III) ratio was 6.54 in mussels before introduction of
nCuO/nFe3O4, it dramatically decreased to 1.97 and 2.31 in mussels after As(V) + nCuO
and As(V) + nFe3O4 exposure, which indicated a more efficient As(III) bioaccumulation
than that of As(V) bioaccumulation in mussels after introduction of nCuO/nFe3O4. On the
other hand, the proportion of MMA after As(V) + nCuO and As(V) + nFe3O4 exposure were
less than that of MMA in mussels before As(V) + nCuO and As(V) + nFe3O4 exposure. It has
been reported that organic MMA is the main product in the biotransformation of inorganic
As(III) during the As methylation process, which is the crucial stage for As detoxification
in mussels [39], the higher efficient As(III) bioaccumulation and less MMA proportion in
mussels both implied that As methylation process (i.e., transformation of inorganic As
forms to organic As forms) was inhibited by MNPs. In addition, As methylation process
inhibited by MNPs was further demonstrated by the experiment of mussel exposure to
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nCuO/nFe3O4 only (Figure 4B,C and Table S1). Without another introduced As (i.e., no
other As sources), there is a strong possibility that the variation of different pre-existing
As species proportion in mussels was due to the intervention of nCuO/nFe3O4 on As
biotransformation. As a whole, the results showed that the average body weight loss of
mussels attributed to the enhanced toxicity of As, because the presence of MNPs led to the
increasing inorganic As contents and decreasing organic As contents in mussels.
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Figure 4. Content of As speciation in mussels after different exposure (organic monomethylarsonic acid (MMA),
dimethylarsinic acid (DMA), and arsenobetaine (AsB)). (A) Control: Mussels exposed to artificial seawater for 21 days.
(B) Control + nCuO: Mussels exposed to 1 mg/L nCuO for 2 weeks after control exposure. (C) Control + nFe3O4: Mus-
sels exposed to 1 mg/L nFe3O4 for 2 weeks after control exposure. (D) 50 µg/L As(V) only: Mussels were cultured in
50 µg/L As(V) solution for 21 days. (E) 50 µg/L As(V) + nCuO: Mussels exposed to 50 µg/L As(V) + nCuO for 2 weeks
after 50 µg/L As(V) exposure. (F) 50 µg/L As(V) + nFe3O4: Mussels exposed to 50 µg/L As(V) + nFe3O4 for 2 weeks after
50 µg/L As(V) exposure.

Existing research recognized that GST was a biotransformation rate limiting enzyme
in mussels which have significant effect on As biotransformation and detoxification pro-
cesses [22]. Moreover, GSH might also bind to As(V) which was a common and important
mechanism during As metabolism [40]. For that reason, we measured GST activity and
GSH content in mussels to elucidate their functions during As biotransformation and
detoxification processes [22,41–43]. Indeed, our previous study about the nTiO2 effect on
biotransformation of As in mussels showed that the biotransformation of As was limited
because of the down-regulated GST and GSH content in mussels [18]. In the current study,
the decreasing of GST activity and GSH content in mussels were similar to those described
in our previous study [18]. After exposing to As(V) + nCuO and As(V) + nFe3O4, compared
with single 50 µg/L As(V) exposure, GST activity greatly decreased by 84.8% and 67.0%
in 50 µg/L As(V) co-exposure, respectively. GST activity also decreased by 74.6% and
71.9% in control + nCuO and control + nFe3O4 mussels, respectively, compared with single
control exposure (Figure 5A). Likewise, there was a similar reduction in the GSH contents,
in As(V) + nCuO and As(V) + nFe3O4 exposure, which was lowered by 43.9% and 36.4%
than in 50 µg/L As(V) exposure, respectively. It also decreased by 24.6% and 31.0% in
control + nCuO and control + nFe3O4 mussels, compared with the control exposure, re-
spectively (Figure 5B). All these results indicate that MNPs can mediate biotransformation
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of inorganic As to organic As in mussels by decreasing As metabolism enzymes such as
GST and GSH, thereby enhancing toxicity of As towards mussels.
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Figure 5. Biomarker values in mussels after different exposure. (A) GST activities, (B) GSH contents, (C) SOD activities
and (D) LPO levels in mussel exposed to different treatments at the end of the exposure (mean ± SD, n = 6). Significant
differences (p < 0.05) among exposure conditions were represented with different letters. Control: Mussels exposed to
artificial seawater for 21 days (single exposure). Control + nCuO: Mussels exposed to 1 mg/L nCuO for 2 weeks after
control exposure (co-exposure). Control + nFe3O4: Mussels exposed to 1 mg/L nFe3O4 for 2 weeks after control exposure
(co-exposure). 50 µg/L As(V) only: Mussels were cultured in 50 µg/L As(V) solution for 21 days (single exposure). 50 µg/L
As(V) + nCuO: Mussels exposed to 50 µg/L As(V) + nCuO for 2 weeks after 50 µg/L As(V) exposure (co-exposure). 50 µg/L
As(V) + nFe3O4: Mussels exposed to 50 µg/L As(V) + nFe3O4 for 2 weeks after 50 µg/L As(V) exposure (co-exposure).

Another probable explanation for the inhibitory effects of MNPs on As biotransfor-
mation and detoxification in mussels might be that the specific surface characteristics as
well as chemical properties enable NPs the capacity to generate ROS by interaction with
subcellular structures [3]. In the case of MNPs, the physical contact between mussels
and particles may cause overproduction of ROS, leading to an increase in activity of an-
tioxidant enzymes such as SOD and LPO [44–46]. In the present study, the generation of
ROS was confirmed after exposure to nCuO/nFe3O4. Both SOD activities and LPO levels
increased in mussels exposed to nCuO/nFe3O4 compared with the control groups without
nCuO/nFe3O4 exposure (Figure 5C,D). Accordingly, nCuO and nFe3O4 might inhibit the
As biotransformation in mussels through overproduction of ROS. These inhibitory effects
imply an overproduction of ROS that could have led to the degeneration of As metabolism
related enzymes such as GST and GSH [47], which could further support the decreasing of
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GST activity and GSH content in mussels and average weight loss of mussels after MNPs
exposure. According to these results, it can be inferred that mussels could be subjected to a
more toxic As environment after MNPs exposure.

4. Conclusions

The MNPs such as nCuO and nFe3O4 are increasingly applied in a variety of areas,
and it is possible that they will end up in the environment in significant quantities, which
makes it important to identify its effect on surrounding biota and environment. This study
highlighted the importance of MNPs on biotransformation and toxicity of arsenic in green
mussel Perna viridis. Exposure to MNPs elevated the bioaccumulation of As(V) and altered
the As distribution in mussels, these alterations could be attributed to the adsorption
of As on MNPs. What is more, newly introduced MNPs disturbed the osmoregulation
system and enhanced the toxicity of As in mussels, which could be supported by decreased
activities of Na+-K+-ATPase and average weight-loss of mussels after MNPs exposure.
The present MNPs in mussels increase the content of inorganic As and motivate the ROS
generation. The overproduction of ROS (SOD and LPO) restrains the activities of As
metabolism enzymes (GST and GSH) in mussels, and then reduces As methylation and
detoxification, subsequently, resulting in an increase in the toxicity of As to the mussels.
The current work validates that MNPs enhance the bioaccumulation and toxicity of As in
marine biota, resulting in an enhanced ecotoxicity of As towards marine ecosystems, and
which improve our understanding about the ecological risks of MNPs and As.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/
10.3390/nano11102769/s1. Figure S1: As(V) adsorption onto 1 mg/L nCuO and nFe3O4, Table S1:
As species concentrations (µg/g) and proportion (%). Supplementary data to this research article can
be found in Supplementary Materials.
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Abstract: Recently, the effects of nanoplastics (NPs) on aquatic organisms have attracted much
attention; however, research on the toxicity of NPs to microalgae has been insufficient. In the present
study, the effects of polystyrene nanoplastics (nano-PS, 50 nm) on growth inhibition, chlorophyll con-
tent, oxidative stress, and algal toxin production of the marine toxigenic dinoflagellate Amphidinium
carterae Hulburt were investigated. Chlorophyll synthesis was promoted by nano-PS on day 2 but
was inhibited on day 4; high concentrations of nano-PS (≥50 mg/L) significantly inhibited the growth
of A. carterae. Moreover, despite the combined effect of superoxide dismutase (SOD) and glutathione
(GSH), high reactive oxygen species (ROS) level and malondialdehyde (MDA) content were still
induced by nano-PS (≥50 mg/L), indicating severe lipid peroxidation. In addition, the contents of
extracellular and intracellular hemolytic toxins in nano-PS groups were significantly higher than
those in control groups on days 2 and 8, except that those of extracellular hemolytic toxins in the
100 mg/L nano-PS group decreased on day 8 because of severe adsorption of hemolytic toxins to
the nano-PS. Hence, the effects of nano-PS on A. carterae are closely linked to nano-PS concentra-
tion and surface properties and exposure time. These findings provide a deep understanding of
the complex effects of NPs on toxigenic microalgae and present valuable data for assessing their
environmental risks.

Keywords: polystyrene nanoplastics; growth inhibition; oxidative stress; hemolytic toxin

1. Introduction

Plastic pollution in aquatic environments has recently gained attention worldwide.
With the in-depth study of microplastics (MPs), nanoplastics (NPs) have also drawn public
awareness [1]. Nanoplastics, defined as plastic materials with at least one dimension on the
nanoscale, have been found in natural waters and their concentrations are expected to con-
tinuously increase because of the degradation of primary micro(nano)plastics [2–5]. Owing
to their small size and large surface area, the ecological effects of NPs on aquatic organisms
differ from those of large plastic particles [6]. Polystyrene (PS; 100 nm, <10 mg/L) has
been found to accumulate in crustaceans without affecting their mortality rate; however,
the swimming speed and enzyme activity in individuals with high accumulated PS levels
are significantly altered [7]. When exposed to PS-COOH (100 nm), a dose-dependent rela-
tionship between reactive oxygen species (ROS) production and PS-COOH concentration
was observed in the sperm cells of Pacific oysters [8]. In addition, PS-NH2 NPs interfere
with the development of sea urchin embryos by modulating protein and gene profiles [9].
Overall, NPs pollution in aquatic environments has become a main challenge that requires
further investigation.
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As the basis of the food web, algae are crucial for the stability of marine ecosystems [10].
Owing to their short growth period and high sensitivity to toxic substances, microalgae
have been considered a good choice for detecting environmental threats caused by MPs
pollution [11]. Size-dependent negative effects of PS with the particle sizes of 0.05, 0.5, and
6 µm on the marine flagellate Dunaliella tertiolecta have been reported [12]. In addition to
growth inhibition effects, polystyrene nanoplastics (nano-PS) can also reduce chlorophyll
content and accelerate ROS production in algal cells [13]. For example, after 2 d of exposure
to PS-NH2 (200 nm), the chlorophyll content and photosynthetic efficiency of Chaetoceros
neogracile decreased by 24% and 13%, respectively, and esterase activity also significantly
decreased while the intracellular ROS level increased [14]. In addition, MPs and NPs can
also affect the secretion of hemolytic toxins produced by harmful algal bloom species and
absorb some substances of hemolytic toxins released by algal cells [15–19]. Considering the
coexistence of NPs and harmful algal bloom species in aquatic environments, interactions
between NPs and hemolytic toxins may negatively affect aquatic ecology and pose a
potential risk to animals and humans. Therefore, more attention should be paid to the
comprehensive evaluation of the effects of NPs on harmful algal bloom species.

Amphidinium carterae Hulburt (A. carterae), a harmful algal bloom species, is mainly dis-
tributed in tropical and temperate seas worldwide and can produce hemolytic toxins [20–22].
The synthesis of hemolytic toxins has been reported to be closely related to the salinity,
pH, temperature, and light intensity of the algal growth environment [23–26]. A. carterae
cells in the logarithmic phase have been shown to increase their hemolytic activity as light
intensity increased, while hemolytic activity was greatly inhibited at low temperature
(10 ◦C) and salinity (15) [26]. In addition, current research on the effects of NPs on the toxin
production of harmful algal bloom species is still insufficient and unclear; for example, PS
(100 nm) has no significant effect on the growth and photosynthetic activity of Microcystis
aeruginosa, and promotes microcystin production only after 48 h. PS-NH2 (50 nm) induces
photosynthesis inhibition and oxidative stress, and enhances the synthesis of microcystin;
while larger particle PS-NH2 (200 nm, 5 mg/L) had no significant effect on microcystin
production of M. aeruginosa [18,19,27]. Thus, a deeper understanding of the effects of NPs
on harmful algal bloom species needs to be investigated.

In order to evaluate the effects of NPs on marine harmful algal bloom species, we
chose nano-PS (50 nm) without functional groups as the test chemical and A. carterae
as the test species. We investigated the growth inhibition, chlorophyll content, ROS
level, antioxidant enzyme activity, and hemolytic toxin content of A. carterae. In addition,
scanning electron microscopy (SEM) was performed to observe the interaction between
nano-PS and algal cells. This research forms the basis for a more comprehensive evaluation
of the toxicity of NPs to marine harmful algal bloom species and for the assessment of their
environmental risks.

2. Materials and Methods
2.1. Algal Cultivation

A. carterae was provided by Shanghai Guangyu Biotechnology Co., Ltd. (Shanghai,
China). Microalgae were cultivated in f/2 medium made with sterile artificial seawater
(filtered through a 0.45 µm acetate filter membrane). Erlenmeyer flasks containing microal-
gal cells were cultivated at 20 ± 1 ◦C under cool white fluorescent lights (4000 lux) with a
12 h-light-dark cycle and were kept at a constant temperature oscillation incubator (ZQZY-
CGF8, Zhichu Instrument Co., Ltd., Shanghai, China) at a speed of 50 rpm. According to
the growth curves of A. carterae (Figure S1), the incubation lasted approximately 4 days
until logarithmic phase growth prevailed. Cell density was calculated using an optical
microscope (BX53, Olympus, Tokyo, Japan).

2.2. Nanoplastics Treatment

Nano-PS powder with a size of 50 nm was purchased from Changchun Lianyu Chem-
ical Technology Co., Ltd. (Changchun, China) (Figure S2). The hydrodynamic diameter
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and zeta potential of nano-PS were measured using a particle size analyzer (Zetasizer
Nano ZS90, Malvern Panalytical Ltd., Malvern, UK), which were 424 nm and −23.7 mV,
respectively. Before treatment, the nano-PS and culture media (10 mL) were added to
Erlenmeyer flasks and ultrasonicated to obtain a uniformly dispersed suspension. Then,
40 mL of algal cells in logarithmic phase growth were transferred into the flasks. The initial
algal density was maintained at 9 × 105 cells/mL, while the concentrations of nano-PS
were set at 10, 20, 50, 80, and 100 mg/L. Each concentration treatment was replicated three
times, and all operations were performed under sterile conditions to avoid contamination
by bacteria. All flasks were placed in an incubator for 8 days under pre-culture conditions.

2.3. Measurement of Chlorophyll Content

Chlorophyll content was determined using the acetone extraction method [28]. First,
20 mL of algal culture was centrifuged (5000 rpm, 10 min) to remove the supernatant. The
pellets were mixed with 5 mL of 90% acetone to extract chlorophyll for 24 h at 4 ◦C in the
dark. The samples were then centrifuged at 6500 rpm for 15 min, and the absorbance (OD)
of the supernatant at 645 nm and 663 nm was measured. Total chlorophyll (Tchl) content
was calculated using the following equation: Tchl = 20.2OD645 + 8.02OD663.

2.4. Assays for ROS Level, MDA Content, SOD Activity, and GSH Content

In this study, ROS levels were detected using 2′, 7′-dichlorodihydrofluorescein diac-
etate (DCFH-DA; Sigma-Aldrich, St. Louis, MO, USA), based on previous studies [29,30].
The stock solution of DCFH-DA was prepared using N, N-dimethylformamide (DFM,
Sinopharm Chemical Reagent Co., Ltd., Shanghai, China) and its final concentration used
in the experiment was 10 µmol/L. The microalgal cells immersed in DCFH-DA solution
were incubated in the dark at 37 ◦C for 20 min. Finally, these algal cells were resuspended
in PBS and detected using a multi-mode microplate reader (Synergy H1, BioTek, Winooski,
VT, USA) to obtain the fluorescence intensity values, which indicated the ROS level.

The SOD activity, MDA content, and GSH content were measured using detection
kits purchased from the Jiancheng Bioengineering Institute (Nanjing, China). First, algal
cells were crushed using an ultrasonic cell disruptor. After adding the relevant reagents,
samples for SOD detection were incubated at 37 ◦C for 20 min. The samples for MDA were
kept in a water bath at 95 ◦C for 40 min, and for GSH, at room temperature for 5 min before
measurement. Then, SOD, MDA, and GSH were determined using the Synergy H1 system
at 450, 532, and 420 nm, respectively.

2.5. Extraction and Determination of Hemolytic Toxin

In this experiment, the hemolytic toxin content was measured using an erythrocyte
lysis assay (ELA) [31,32]. First, 0.4 mL of different concentrations of digitalis saponin and
1.6 mL of 0.5% rabbit red blood cells were incubated in a 37 ◦C water bath for 30 min. The
reaction liquid was then centrifuged, and the absorbance of the supernatant was measured
at 540 nm to obtain the hemolysis standard curve of digitalis saponin (Figure S3). The
extracellular toxin of A. carterae was determined from the supernatant after centrifugation
(5000 rpm, 10 min), and the remaining algal cells were used to determine the content of
intracellular toxins. For the intracellular toxin extraction, algal cells were first crushed
using an ultrasonic cell disruptor; then, an extraction solution prepared using chloroform,
methanol, and water (13:7:5, V:V:V) was added for liquid phase extraction. After evapora-
tion with a rotary evaporator, intracellular toxins were collected using 1 mL of methanol.
The above ELA test was repeated to obtain the corresponding hemolytic toxin content
based on the hemolysis standard curve [33,34].

2.6. Sample Preparation for SEM Assay

The morphology of the algal cells was observed using a scanning electron microscope
(FEI Quanta 250 FEG; Thermo-Fisher Scientific, Waltham, MA, USA). Microalgal cells
were collected by centrifugation (5000 rpm, 10 min) and fixed with 2.5% glutaraldehyde at
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4 ◦C overnight. Then, the samples were washed three times with phosphate buffer (PBS,
pH 7.4) and dehydrated using 30, 50, 70, 80, 90, 95 and 100% ethanol solutions for 15 min,
respectively [27,35]. Finally, the samples were freeze-dried for SEM observation.

2.7. Statistical Analysis

All tests were performed in triplicate, and the results were expressed as the mean ±
standard deviation. The enzyme analysis results were analyzed using one-way ANOVA
and LSDs, with the analysis performed using the SPSS statistical software (IBM, Chicago,
IL, USA). A value of p < 0.05 was used to denote a significant difference.

3. Results and Discussion
3.1. Cell Density and Chlorophyll Content

As shown in Figure 1A, the effects of nano-PS on the cell density of A. carterae were
related to its concentration and experimental time. The nano-PS at 10 mg/L had no signifi-
cant effect on the growth of algal cells, whereas 20 mg/L of nano-PS inhibited the growth
of algal cells only on days 2 and 8 compared with the control group. The nano-PS at 50,
80, and 100 mg/L significantly inhibited the growth of the test algal cells with the IR of
17.5, 22.1, and 38.7% (Table S1), respectively. There was a clear negative dose-dependent
relationship between cell density and nano-PS concentration on day 8. In addition,
100 mg/L of nano-PS induced the algal cells to enter the decline phase earlier than the
other treatments. Moreover, we also observed that the IR of nano-PS groups, except that of
the nano-PS at 10 mg/L, decreased initially and then increased (Table S1). This may have
resulted from the resistance and adaptation of algae to nano-PS [36].
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The chlorophyll content of A. carterae increased first and then decreased during the
experiment (Figure 1B), owing to the limited nutrients with increasing cell density. On
day 2, nano-PS at 20–100 mg/L promoted the synthesis of chlorophyll; the chlorophyll
content in the 100 mg/L nano-PS group was 1.18-fold higher than that in the control
group (Table S2). This may be a stress response to the decrease in light intensity caused by
nano-PS [37,38]. As the cell density decreased in the nano-PS groups, pigment accumulated
in the algal cells on 6–8 d, resulting in much higher chlorophyll content in the 100 mg/L
nano-PS group than in the control group. However, nano-PS decreased the chlorophyll
content on day 4, probably because of ROS accumulation, which could inhibit the synthesis
of chlorophyll [39].
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3.2. Lipid Peroxidation in A. carterae

Malonaldehyde is the main peroxidation product of cytomembrane lipids and is often
caused by excessive ROS [40,41]. In the present study, the MDA content and ROS levels
were measured, and the results are shown in Figure 2A,B. Compared with the control
group, the nano-PS (≥20 mg/L) significantly increased the MDA content on days 2 and 4,
indicating severe lipid peroxidation caused by nano-PS. In addition, low concentrations
(≤20 mg/L) of nano-PS had no significant effect on MDA content of A. carterae on 6 and
8 d. However, the MDA content in the 50, 80, and 100 mg/L nano-PS groups was also
significantly higher than that in the control group, but their difference gradually decreased,
probably because of the adaptability of algal cells to the stress of nano-PS [42]. These
results were confirmed by the relative ROS levels shown in Figure 2B. The relative ROS
levels in the nano-PS groups were much higher than those in the control group on 2 and
4 d, and nano-PS at high concentrations (≥50 mg/L) induced high ROS levels over the
experimental period. Similarly, Hazeem et al. reported that nano-PS (20 and 50 nm) could
cause a significant increase in ROS levels in Chlorella vulgaris [43]. Overall, the high ROS
level and MDA content indicate the occurrence of lipid peroxidation, which probably
induces membrane damage.
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3.3. SOD Activity and GSH Content

As important antioxidants, both SOD and GSH can remove ROS in cells to protect
cells against oxidative damage [41,44]. To explore the oxidative stress response caused
by nano-PS in the algal cells, the SOD activity and GSH content were detected, and the
results are displayed in Figures 3A and 3B, respectively. The SOD activity in the nano-PS
groups, except the 10 mg/L nano-PS group, was significantly higher than that in the
control group on day 2. The SOD activity in all groups gradually decreased, especially
from 2 d to 4 d. The rate of decrease was 18.97% in the control group, and 40.6, 43.1, and
29.7 in 50, 80 and 100 mg/L of nano-PS groups, respectively. These changes are most
likely because of the inhibition of SOD synthesis caused by the high ROS levels in the test
algae cells [45]. In addition, the gap in SOD activity between the nano-PS groups and the
control was obviously reduced, thus indicating that the antioxidant capacity of algal cells
decreased [46]. Despite the decrease in SOD activity, 100 mg/L of nano-PS stimulated SOD
activity at all times.

Similarly, the GSH content of A. carterae increased initially and then decreased over
the experimental period (Figure 3B). The GSH content in nano-PS groups was significantly
higher than that in the control group on days 2–4. Moreover, there was a dose-dependent
relationship between the content of GSH and the concentrations of nano-PS; nano-PS at
100 mg/L induced the highest GSH content, which was up to 3.1- and 2.2-fold higher
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than that of the control group, respectively. In contrast to SOD activity, the GSH content
in the high concentration nano-PS groups was still significantly higher than that in the
control group from 4 d to 8 d. This can compensate for the decrease in SOD activity caused
by nano-PS at high concentrations to reduce ROS levels. The complex variation trend of
the SOD activity and GSH content may be caused by the content of antioxidant enzymes
induced by nano-PS and the complementary effect between these enzymes [44,47,48].
Overall, although nano-PS induced high ROS levels, the algal cells still had an antioxidant
capacity to resist lipid peroxidation throughout the experimental period [42,49].
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3.4. SEM Analysis

As shown in Figure 4, although nano-PS induced membrane oxidative damage, it
had no visible effect on size and morphology of the test algal cells compared with those
in the control group because of the protection by the cell wall. However, the nano-PS
at high concentrations aggregated easily and adsorbed on the surface of the algal cells
(Figure 4B,C,E,F). Additionally, nano-PS and algal cells can even form large heterogeneous
aggregates (Figure 4D) which sink easily; this aggregation is mainly caused by extracellular
polymeric substances [50–52]. In all, the adsorption and aggregation of nano-PS with
microalgae could limit the transfer of energy and nutrients, and the motility of the algal
cells, thus inhibiting microalgal growth [53].

3.5. Hemolytic Toxins Content

In the present study, the hemolytic activities of extracellular and intracellular toxins
were assessed to evaluate the effect of nano-PS on toxin production. Based on the results
shown in Figure 5, the contents of extracellular and intracellular hemolytic toxins were
higher than those of the control group under the stimulation of nano-PS on day 2. This can
be attributed to the stress reaction of algae in adverse environments, in which the oxidative
stress of nano-PS enhances the expression of toxic genes [18,23,54,55]. From 4 d to 6 d, the
content of extracellular toxin in the nano-PS groups was not significantly different from
that in the control group, while the content of intracellular hemolytic toxin in the nano-PS
groups decreased, most likely because of the growth inhibition caused by nano-PS. On the
last day, the content of intracellular hemolytic toxin in the nano-PS groups increased again.
In addition, owing to the cell membrane damage caused by the high ROS level, the content
of extracellular hemolytic toxin in the nano-PS groups (10–80 mg/L) also increased [19].
However, the content of extracellular hemolytic toxin in the 100 mg/L nano-PS group was
significantly lower than that in the control group because some substances in hemolytic
toxins, such as amphidinols, could be adsorbed by nano-PS [15,16]. Based on the above
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results, a high concentration of nano-PS can affect not only the synthesis of toxins but also
the concentration of toxins in algal cells.
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Figure 5. Hemolytic activity of extracellular toxins (A) and intracellular toxins (B) in different concentrations of nano-PS
groups. Different letters represent significant differences (p < 0.05).

4. Conclusions

In the present study, the effects of nano-PS (50 nm) on the toxigenic dinoflagellate
A. carterae were investigated in terms of algal growth, oxidative stress, and hemolysin
production. The results showed that the effects of nano-PS on algal cells depended greatly
on its concentration and exposure time. Nano-PS significantly inhibited chlorophyll syn-
thesis only on day 4. Moreover, nano-PS at high concentrations inhibited cell growth at all
time, while it stimulated first then limited cell growth at low concentrations. Although the
antioxidant capacity of algal cells was higher than that in control group, nano-PS especially
at high concentrations could still induce high ROS levels and lipid peroxidation, which
were the main cause of cell growth inhibition. In addition, nano-PS can affect not only the
synthesis of toxins, but also the toxin distribution in and out of algal cells. Considering the
coexistence of NPs and harmful algal bloom species, their interaction may have negative
consequences for aquatic ecology, thus further affecting the aquaculture industry and
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posing a potential risk to animals and humans. These findings of this research are valuable
for us to understand the effects of NPs on harmful algal bloom species and provide insights
into assessing their actual risks to the environment.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/10
.3390/nano11102471/s1, Figure S1: Growth curve of A. carterae, Figure S2: TEM image of nano-PS,
Figure S3: The hemolysis standard curve of digitalis saponin. The value of EC50 is 1.53 µg/mL,
which means 1.53 µg/mL digitalis saponins is equal to 1 HU, Table S1: Growth inhibition rate (IR) of
nano-PS on A. carterae, Table S2: Inhibition rate of nano-PS on chlorophyll content of A. carterae.
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