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1. Introduction

Water, the lifeblood of our planet, is encountering unprecedented challenges stemming
from a diverse array of pollution sources, including industrial wastewater, agricultural
runoff, and urban domestic sewage [1,2]. Water pollution poses significant threats to aquatic
ecosystems, water quality, and ultimately the health of our planet and its inhabitants [3].
With urbanization and industrialization rapidly developing, conventional and new pollu-
tants pose additional potential risks to the environment and human health [4,5]. Substantial
information is required to stay informed on pollutant sources and their potential risks in
aquatic environments, as well as to develop innovative technologies for pollution control
and remediation, to establish sustainable solutions for maintaining the health of ecology
and humans [6–8].

2. Overview of This Special Issue

The Special Issue entitled “Water Environment Pollution and Control, Volume II” contains
12 contributions, including nine original articles on diverse topics within the scope, two
reviews, and one communication. These articles focus on both organic (organophosphate
esters, phenolic compounds, polycyclic aromatic hydrocarbons, fulvic acid, rhodamine B
dye, etc.) and inorganic pollutants (mercury, strontium, salinity, etc.). They also discuss
contaminants of emerging concern in groundwater, irrigation water, wastewater, drink-
ing water, and seawater, as well as those environmental compartments closely related
to the aquatic environment. Innovative technologies have also been proposed to treat
the polluted water resources, such as alkaline prehydrolysis, sonochemical catalysis, and
photocatalysis. Further, the potential functional applications of seagrass, a promising re-
source with significant potential for industrial applications and environmental remediation,
are explored.

Cao et al. provide valuable insights into the spatiotemporal variations, source deter-
mination, and potential ecological risks of organophosphate esters (OPEs) in water and
sediment samples collected from 19 coastal tourist resorts in the Shandong Peninsula, China
(contribution 1). OPEs are common flame retardants and plasticizers in various consumer
products. This study contributes to the knowledge on the environmental fate and impacts
of OPEs by highlighting the widespread presence of OPEs in coastal tourist resorts.

Gu et al. investigated alkaline prehydrolysis as a means to enhance phenolic com-
pound absorption in oil wastewater (contribution 2). Phenolic compounds are notoriously
toxic and difficult to degrade, but the research showed that hydrolysis in alkaline conditions
(pH 12) for 12 h rendered them more susceptible to destruction. Prehydrolysis plays a
crucial role in reducing chemical oxygen demand (COD). This research provides valuable
insight into the effective treatment of phenolic compounds in oil wastewater and their
environmental implications.

Water 2024, 16, 1532. https://doi.org/10.3390/w16111532 https://www.mdpi.com/journal/water1
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Hu et al. investigated the impact of soil salinity distribution, groundwater depth,
and irrigation management on agricultural sustainability with a case study in the Hetao
Irrigation District in China (contribution 3). They found that groundwater depth and
irrigation practices significantly affected soil salinity. Salinized farmland adversely affects
crop yield and water resource utilization. The dynamic relationship between soil and
groundwater necessitates further research on the temporal variability of soil salinity, in
order to implement effective measures for enhancing resource utilization efficiency and
agricultural production.

The study by Malov focused on strontium pollution in drinking groundwater and the
associated health risks in North-West Russia (contribution 4). Key findings indicate that
groundwater with strontium concentrations exceeding the maximum permissible limits
exhibited an increased correlation between strontium concentrations, total dissolved solids,
and the saturation indices of celestite and gypsum. The research highlights the formation
of strontium pollution in drinking groundwater, its potential health implications, and the
need for continued monitoring and management to safeguard public health.

Mulenga et al. provide a comprehensive review of mercury (Hg) pollution in aquatic
environments resulting from artisanal and small-scale gold mining in Sub-Saharan Africa
(contribution 5). The article highlights that this gold mining, which is prevalent in many
regions of Sub-Saharan Africa, often uses mercury to extract gold from ore. This process
results in significant mercury pollution, which enters aquatic environments through runoff,
leaching, and direct discharge. The impacts of mercury pollution on aquatic ecosystems
and potential interventions to address it are also explored.

Feng et al.’s systematic review comprehensively explores the global research trends
on contaminants of emerging concern (CECs) over the past decade (contribution 6). The
authors provide an in-depth analysis of CECs, which covers their occurrence in water,
soil, and air. They also delve into the various sources of these contaminants, including
industrial discharges, agricultural runoff, and urban waste. This comprehensive coverage
enhances understanding of CECs’ scope and scale. The risks that CECs pose to ecosystems
and human health are particularly concerning. The study highlights the potential for
CECs to bioaccumulate in organisms, affecting food chains and ultimately human health.
The implications for water quality are also discussed, emphasizing the need for effective
monitoring and management strategies to ensure safe drinking water supplies.

Tian et al. studied the remediation of saline–alkali farmland by drainage with subsur-
face pipes in typical arid and semi-arid agricultural areas, i.e., the Hetao Irrigation District
in China (contribution 7). Water and salt migration in amended heavy saline soil was
investigated with field experiments on growing sunflowers. The DRAINMOD model and
drainmod equation were used to calculate the water and salt migration with the support of
field studies. The results can help in developing strategies for desalination and salt control
in arid and semi-arid soil with the optimal layout of subsurface pipes. This method is
highly significant in effectively managing soil and water resources and improving agricul-
tural production efficiency in these relatively infertile areas. With continuous technological
advancements and in-depth research, more innovative solutions are anticipated to emerge,
bringing greater breakthroughs to soil and water resource management, as well as the
sustainable development of agricultural production.

Tsenter et al. investigated the synergistic inactivation of bacteria during water disinfec-
tion by ultrasound coupled with sonocatalysts, including persulfate, nano- and micro-zinc
oxide (contribution 8). In terms of environmental remediation, sonochemical reactors have
demonstrated strong potential in advanced oxidation processes, especially in the remedia-
tion of microbial hazards in water and wastewater treatment. Research has indicated that
combining ultrasound and different catalysts can significantly improve the degradation effi-
ciency of organic pollutants, providing new effective means for environmental remediation.
Meanwhile, nanotechnology has also driven breakthroughs in environmental remediation,
such as the synergistic effect of nanocrystals and ultrasound.
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Wu et al. investigated the concentration, composition, source, and ecological and
health risks of polycyclic aromatic hydrocarbons (PAHs) in the soil surrounding oil wells
in the Yellow River Delta, China (contribution 9). Their comprehensive analyses revealed
the pollution status and sources of PAHs in the region. Although the current risks of PAHs
to the ecology and human health are low, potential threats still exist in the long run. Future
work is proposed to strengthen environmental monitoring and assessment for pollution
treatment and remediation.

Xiao et al. examined the dynamics of sedimentary fulvic acid (FA) fractions from an ur-
ban river affected by anthropogenic activities (contribution 10). Utilizing advanced spectro-
scopic techniques, including excitation–emission matrix (EEM) fluorescence spectroscopy
with parallel factor (PARAFAC) analysis and two-dimensional correlation spectroscopy
(2D-COS), the researchers tracked changes in the composition, spatial distribution, sources,
and transformation mechanism of FA fractions from different reaches of the Baitapu River in
Shenyang, north-east China. Sediment samples were collected along gradients with varying
human activities, including rural, town, and urban sections. The findings help explain how
anthropogenic activities alter the composition and behavior of organic matter in aquatic
sediments, which is crucial for water quality management and environmental protection.

Photocatalysis has shown significant potential in environmental pollution control
and energy conversion in recent years. Zhang et al. compared the degradation effects of
rhodamine B (RhB) dye by graphite carbon nitride (g-C3N4) synthesized with different
precursors under natural sunlight and LED lights, and found that natural light achieves
better degradation results due to its diverse spectral components (contribution 11). Mean-
while, g-C3N4 synthesized with urea as a precursor has better photocatalytic performance
in degrading RhB dye. These research findings not only broaden the application scope
of photocatalysis but also strongly support addressing energy crises and environmental
pollution issues. In the future, photocatalysis technology is poised to become an important
pathway for solving energy shortages and environmental pollution problems, contributing
to the sustainable development of human society.

In recent years, seaweed has attracted widespread attention for its commercial poten-
tial and biological activity. Lee et al. suggested that seaweed has broad applications as
biofuels, functional food ingredients, and sources of biologically active polysaccharides
(contribution 12). Specifically, Sargassum from Mexico has demonstrated tremendous poten-
tial in the food, agricultural, and environmental protection industries, due to its nutritional
value, eco-friendly characteristics, and growth-stimulating effects. They also improved
the extraction methods of organic components from Sargassum for safe application in
commercial products.

3. Conclusions

Collectively, these papers showcase cutting-edge research spanning multiple disci-
plines on water environment pollution and control. Our intention with this Special Issue is
to spark further interest in this crucial area of research, as it is desperately needed. While
admiring this impressive compilation of work, we still need to remember that water envi-
ronmental protection is a cornerstone in our efforts to tackle the global environmental crisis.
We must collaborate in many battles ahead to achieve sustainable development within our
global community.

Author Contributions: J.L.: writing—original draft preparation; W.F. and F.Y.: writing—review and
editing. All authors have read and agreed to the published version of the manuscript.

Funding: This research received no external funding.

Conflicts of Interest: The authors declare no competing financial interests.

3



Water 2024, 16, 1532

List of Contributions

1. Cao, X.; Wang, B.; Liu, X.; Cheng, J.; Wang, S. Study of the Spatiotemporal Variations,
Source Determination, and Potential Ecological Risk of Organophosphate Esters in
Typical Coastal Tourist Resorts in China. Water 2023, 15, 3976.

2. Gu, C.; Yan, K.; Bo, L.; Zhou, X.; He, Y.; Feng, J.; Qin, J. Alkaline Prehydrolysis
Prolongs Resin Life and Enhances the Adsorption of Phenolic Compounds. Water
2023, 15, 2566.

3. Hu, Z.; Miao, Q.; Shi, H.; Feng, W.; Hou, C.; Yu, C.; Mu, Y. Spatial Variations and
Distribution Patterns of Soil Salinity at the Canal Scale in the Hetao Irrigation District.
Water 2023, 15, 3342.

4. Malov, A.I. Features of the Formation of Strontium Pollution of Drinking Groundwater
and Associated Health Risks in the North-West of Russia. Water 2023, 15, 3846.

5. Mulenga, M.; Ouma, K.O.; Monde, C.; Syampungani, S. Aquatic Mercury Pollution
from Artisanal and Small-Scale Gold Mining in Sub-Saharan Africa: Status, Impacts,
and Interventions. Water 2024, 16, 756.

6. Feng, W.; Deng, Y.; Yang, F.; Miao, Q.; Ngien, S.K. Systematic Review of Contaminants
of Emerging Concern (CECs): Distribution, Risks, and Implications for Water Quality
and Health. Water 2023, 15, 3922.

7. Tian, F.; Miao, Q.; Shi, H.; Li, R.; Dou, X.; Duan, J.; Liu, J.; Feng, W. Study on Water and
Salt Transport under Different Subsurface Pipe Arrangement Conditions in Severe
Saline–Alkali Land in Hetao Irrigation District with DRAINMOD Model. Water 2023,
15, 3001.

8. Tsenter, I.; Kobunova, E.; Matafonova, G.; Batoev, V. Synergistic Piezo-Catalytic Inacti-
vation of Bacteria by Dual-Frequency Ultrasound (120 + 1700 kHz) Using Persulfate
and ZnO Nano- and Microparticles. Water 2023, 15, 2937.

9. Wu, Y.; Zhao, Y.; Qi, Y.; Li, J.; Hou, Y.; Hao, H.; Xiao, N.; Zhi, Q. Characteristics, Source
and Risk Assessment of Soil Polycyclic Aromatic Hydrocarbons around Oil Wells in
the Yellow River Delta, China. Water 2023, 15, 3324.

10. Xiao, Y.; Yu, H.; Song, Y. Influences of Anthropogenic Pollution on the Dynamics of
Sedimentary Fulvic Acid Fractions as Revealed via Spectroscopic Techniques Com-
bined with Two-Dimensional Correlation Spectroscopy. Water 2023, 15, 2256.

11. Zhang, M.; Xing, M.; Dong, B.; Zhang, H.; Sun, X.; Li, Q.; Lu, X.; Mo, J.; Zhu,
H. Thermal Polymerisation Synthesis of g-C3N4 for Photocatalytic Degradation of
Rhodamine B Dye under Natural Sunlight. Water 2023, 15, 2903.

12. Lee, M.C.; Yeh, H.Y.; Chang, C.M.; Liou, Y.F.; Nan, F.H.; Wungen-Sani, J. Tracking
and Utilizing Sargassum, an Abundant Resource from the Caribbean Sea. Water 2023,
15, 2694.

References

1. Kuang, X.; Liu, J.; Scanlon, B.R.; Jiao, J.J.; Jasechko, S.; Lancia, M.; Biskaborn, B.K.; Wada, Y.; Li, H.; Zeng, Z.; et al. The Changing
Nature of Groundwater in the Global Water Cycle. Science 2024, 383, 3976. [CrossRef]

2. Gu, B.; Zhang, X.; Lam, S.K.; Yu, Y.; Van Grinsven, H.J.; Zhang, S.; Wang, X.; Bodirsky, B.L.; Wang, S.; Duan, J.; et al. Cost-effective
Mitigation of Nitrogen Pollution from Global Croplands. Nature 2023, 613, 77–84. [CrossRef] [PubMed]

3. Zhang, H.; Cao, X.; Huo, S.; Ma, C.; Li, W.; Liu, Y.; Tong, Y.; Wu, F. Changes in China’s river water quality since 1980: Management
implications from sustainable development. npj Clean Water 2023, 6, 45. [CrossRef]

4. Ateia, M.; Wei, H.; Andreescu, S. Sensors for Emerging Water Contaminants: Overcoming Roadblocks to Innovation. Environ. Sci.
Technol. 2024, 58, 2636–2651. [CrossRef] [PubMed]

5. Li, P.; Liu, J. Micro(nano)plastics in the Human Body: Sources, Occurrences, Fates, and Health Risks. Environ. Sci. Technol. 2024,
58, 3065–3078. [CrossRef] [PubMed]

6. Sultana, F.; McAllister, T.; Katyaini, S.; Blackstock, M.D. How to Achieve Safe Water Access for All: Work with Local Communities.
Nature 2024, 627, 732–734. [CrossRef] [PubMed]

4



Water 2024, 16, 1532

7. He, J.; Ma, W.; Han, L.; Chen, L.; Xu, E.G.; Xing, B.; Yang, Z. Unraveling the role of natural and pyrogenic dissolved organic
matter in photodegradation of biodegradable microplastics in freshwater. Carbon Res 2023, 2, 18. [CrossRef]

8. Wu, A.; Yang, C.; Zhao, X.; Wang, J.; Liang, W.; Wang, X.; Zhou, L.; Teng, M.; Hou, G.; Niu, L.; et al. Heteroaggregation and
sedimentation of natural goethite and artificial Fe3O4 nanoparticles with polystyrene nanoplastics in water. Carbon Res. 2024,
3, 38. [CrossRef]

Disclaimer/Publisher’s Note: The statements, opinions and data contained in all publications are solely those of the individual
author(s) and contributor(s) and not of MDPI and/or the editor(s). MDPI and/or the editor(s) disclaim responsibility for any injury to
people or property resulting from any ideas, methods, instructions or products referred to in the content.

5



Citation: Mulenga, M.; Ouma, K.O.;

Monde, C.; Syampungani, S. Aquatic

Mercury Pollution from Artisanal

and Small-Scale Gold Mining in

Sub-Saharan Africa: Status, Impacts,

and Interventions. Water 2024, 16, 756.

https://doi.org/10.3390/w16050756

Academic Editors: Weiying Feng,

Fang Yang and Jing Liu

Received: 20 November 2023

Revised: 5 December 2023

Accepted: 12 December 2023

Published: 2 March 2024

Copyright: © 2024 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

water

Review

Aquatic Mercury Pollution from Artisanal and Small-Scale
Gold Mining in Sub-Saharan Africa: Status, Impacts, and
Interventions

Mary Mulenga 1,2, Kennedy O. Ouma 3,4,*, Concillia Monde 2,3 and Stephen Syampungani 2,5,6

1 Department of Biological Sciences, School of Mathematics and Natural Sciences, Copperbelt University,
Kitwe P.O. Box 21692, Zambia; marymulenga452@gmail.com

2 Oliver R Tambo Africa Research Chair Initiative (ORTARChI), Chair of Environment and Development,
Copperbelt University, Kitwe P.O. Box 21692, Zambia; concillia.monde@cbu.ac.zm (C.M.);
ssyampungani@yahoo.com (S.S.)

3 Department of Zoology and Aquatic Sciences, School of Natural Resources, Copperbelt University,
Kitwe P.O. Box 21692, Zambia

4 Africa Centre of Excellence for Sustainable Mining (CBU-ACESM), Copperbelt University,
Kitwe P.O. Box 21692, Zambia

5 Department of Plant and Environmental Sciences, School of Natural Resources, Copperbelt University,
Kitwe P.O. Box 21692, Zambia

6 Forest Science Postgraduate Program, Department of Plant and Soil Sciences, Plant Sciences Complex,
University of Pretoria, Private Bag x20, Hatfield, Pretoria 0002, South Africa

* Correspondence: kennedy.ouma@cbu.ac.zm

Abstract: Mercury (Hg) pollution remains an environmental global concern due to its non-degradable
and toxic nature. Natural and anthropogenic sources of Hg adversely affect the functioning of
aquatic ecosystems and biological processes. In sub-Saharan Africa (SSA), unregulated artisanal
and small-scale gold mining (ASGM) contributes up to 20% of global gold production and uses
205–496 tonnes/yr of Hg. Despite being a vital economic driver for 20–30 million people, ASGM
threatens the health of aquatic systems from Hg pollution, presenting a complex challenge that
demands urgent interventions. This review seeks to (1) establish the current status of aquatic Hg
pollution, (2) explore the environmental impacts of aquatic Hg, and (3) highlight the proposed
interventions for aquatic Hg pollution in SSA. We examined publications and institutional reports
between 2000 and 2023 addressing aquatic Hg pollution, impacts, and interventions in the ASGM
of SSA. Results indicate a rise in aquatic Hg pollution due to the expansion and intensification of
ASGM. West Africa remained the highest contributor (50.2%), followed by Central Africa (39.6%),
Southern Africa (9.6%), and Eastern Africa (<1%). Contamination of freshwater ecosystems, toxicity
to aquatic biota, and environmental health risks to humans were evident. Alternative Hg-free ASGM
technologies, including physical, metallurgical, and pyrometallurgical, were investigated from case
studies and recommended for adoption.

Keywords: aquatic mercury pollution; Minamata Convention; mercury-free technologies; artisanal
and small-scale mining (ASGM); sub-Saharan Africa; Global Mercury Assessment (GMA); Minamata
Initial Assessment (MIA)

1. Introduction

Mercury (Hg) pollution and toxicity remain an environmentally relevant global con-
cern across the different biospheric matrices due to its ubiquitous and non-degradable
nature [1]. Studies have identified the impact of natural and anthropogenic sources of Hg
on the functioning of ecosystems and biological processes [2]. Chemically, Hg occurs in
three major forms: elemental or metallic (Hg0), organic (OrgHg), predominantly methyl
mercury (MeHg), and inorganic (IHg), mainly as mercuric chloride (HgCl2) [3,4]. These

Water 2024, 16, 756. https://doi.org/10.3390/w16050756 https://www.mdpi.com/journal/water6
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different forms are cumulatively called total mercury (THg) [5,6]. Hg, a non-essential
element, is liquid at ambient temperature and highly volatilises into the atmosphere. Atmo-
spheric Hg can be transported and deposited in terrestrial and aquatic environments [1,7,8].
MeHg is among the top 10 highly toxic contaminants that negatively impact aquatic biota,
accounting for up to 50% of THg pollution [9,10].

In the aquatic ecosystem, under favourable environmental conditions, microbially-
mediated biogeochemical (e.g., sulphate-reducing bacteria) and abiotic processes (e.g.,
transmethylation) transform the IHg into the most bioavailable and toxic MeHg [11–13].
Mercury methylation in aquatic environments results in the bioaccumulation and biomag-
nification of MeHg, which increases the toxicity risk to higher trophic-level biota [14,15]
and humans [4].

The fourth Global Mercury Assessment report [16] catalogued the trends of Hg emis-
sions from key sectors in 2015 (Figure 1). The contribution of atmospheric THg increased
by 450% to 4400 tonnes/yr, and almost half of this (2500 tonnes/yr) came mainly from
anthropogenic emissions from industrial and artisanal mining and mineral processing,
energy production, and losses from Hg-based products and processes. Approximately
600 tonnes entered the freshwater ecosystems, at least 30% of which were conveyed to the
marine environment. Natural Hg, releases from volcanic processes, soils, and vegetation
burning, accounted for 2100 tonnes of Hg in the atmosphere, while the oceans contributed
250% of Hg (3400 tonnes) in emissions. In the terrestrial environment, natural sources,
including organic and mineral soils, retained 750,000 tonnes/yr. The oceanic Hg cycle
retained about 2600 tonnes/yr in surface waters, 310,000 tonnes/yr (37%) of the land, and
atmospheric THg deposits in the intermediate and deep waters. Net losses of THg from the
marine environment contributed about 45–55% of THg to the atmosphere, both transported
to land and freshwater or redeposited in the oceans.

 

Figure 1. The global Hg budget for emissions, anthropogenic influence on the mercury cycle, and
temporary storage in the atmosphere, soils, and aquatic environments [16].

Amotaey and Baawain [17], in a global review of the impact of metal pollution on
aquatic biota, observed Hg bioaccumulation in fish muscles, eggs, ovaries, and zooplankton
biomass. La Colla et al. [14] reiterated the significant health risk of THg accumulation
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in fish muscles along an anthropogenically impacted southeast Argentina’s Bahía Blanca
estuarine ecosystem. Aquatic MeHg concentrations and biomagnification above accept-
able limits in fish communities (732–918 ng/g), frogs (1.075 ng/g), and riparian spiders
(347–1140 ng/g) in tropical highland aquatic systems in southwest Colombia have also
been reported [18–20]. In addition, Lino et al. [21] observed that artisanal and small-scale
gold mining (ASGM) and deforestation were the primary sources of THg and MeHg in
Brazil’s Tapajós River basin. In the Gambia River flowing through the Kedougou region
in eastern Senegal, pollution of stream sediments was in the magnitude of 2–6 mg/kg
THg [22] but recently reduced to 1.16 mg/kg THg and 3.2 ng/g MeHg [23].

Streets et al. [24] globally observed a 1.4 Tg cumulative release of Hg between the year
1510 and 2010 period, of which 23% was atmospheric and 77% dissipated into aquatic and
terrestrial environments. Furthermore, the authors noted that North America and Europe
contributed a cumulative 413 Gg and 427 Gg in this period. With the increased ASGM activities
in Africa and the Middle East, about 72% of cumulative atmospheric Hg0 was released [25].
Additionally, ASGM was the largest source of global Hg emissions (775 Mg) in 2015. The
aquatic and terrestrial environments that accumulated over 83% of the atmospheric THg were
Africa, the Middle East, and Oceania, which contributed 77%, while up to 89% came from
South America. Streets et al. [25] further documented an increase in annual Hg emissions from
2188 Mg to 2390 Mg (+1.8%) between 2010 and 2015, where emissions increased in Eastern
Africa (>4%), South Asia (>4.6%), and Central America (>5.4%).

In 2011, the ASGM industry employed over 6 million miners globally, who extracted
380–450 tonnes of gold, and by 2018, over 44.67 million people worked in the ASGM
sector [16,26]. In sub-Saharan Africa, approximately 1.322 million people work in the ASGM
sector, where 27,200 kg of gold was produced in 2014 [16,27]. According to UNEP [16],
global Hg emission sources ranged from 40 kg in the ferrous metal industries to 52 kg from
biomass burning, 162 kg from waste products, 313 kg from non-ferrous metal production,
and 838 kg from ASGM. In 2015, ASGM contributed nearly 1220 tonnes of Hg to global
water and terrestrial ecosystems from mining activities in sub-Saharan Africa (8%), East
and Southeast Asia (36%), and South America (53%) [16]. The increased use of Hg in ASGM
has contaminated aquatic ecosystems. Mercury transforms into highly toxic MeHg, which
bioaccumulates in aquatic biota, threatening aquatic productivity and the health of aquatic
resource users [28,29]. Furthermore, the ASGM communities risk exposure to inhalation
of gaseous Hg, ingestion of contaminated water and food, and dermal contact, resulting
in health problems, including neurological disorders [30,31]. For example, communities
near ASGM sites in countries like Indonesia [32–34] and Ghana [35–37] have reported both
environmental impacts and health issues associated with mercury exposure.

Additionally, Hg used in ASGM enters the global Hg cycle following atmospheric
release during gold amalgams, contributing to long-range transport and deposition thus
impacting ecosystems globally [38,39]. In aquatic ecosystems, Hg bioaccumulation threat-
ens aquatic biodiversity, particularly in ASGM-intensive areas [40]. For instance, studies
in the Amazon basin reported high Hg levels in fish, impacting aquatic ecosystems and
human health [41,42]. Although ASGM is often a source of livelihood for marginalised
communities, it poses environmental and health risks associated with Hg use, which further
undermines the health and productivity of ASGM communities.

In October 2013, the UNEP-led Minamata Convention on Mercury, enforced in August
2017, targeted, among other interventions, the elimination of Hg use in ASGM [43]. Parties
to the Convention were obliged to conduct enabling assessments under the Minamata Ini-
tial Assessments (MIA) and generate country profiles on Hg status [43]. According to Anan
and Toda [44], analysis of country priorities from MIA reports shows that most African
countries prioritised three key areas for reduction of Hg release into the environment (Arti-
cle 8), including Hg waste management, eliminating Hg in products such as cosmetics and
dental amalgam (Article 4), and adopting Hg-free gold processing in the ASGM industry
(Article 7) (Figure 2). The identified priority area later formed the basis for developing
National Action Plans (NAP) to enforce the Minamanta Convention. Furthermore, Anan
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and Toda [44] identified 16 SSA countries that had prioritised the phasing out of Hg-added
products and the safe handling of Hg wastes to reduce environmental contamination.
Similarly, 14 country MIA reports highlighted total elimination or reduction of Hg use
in ASGM. Waste incineration, open burning of mercury wastes, and uncontrolled waste
damping release approximately 132,776kg (23.2%) and 229,681 kg (40.1%) Hg, respectively.
The application, use, and disposal of Hg-added products and dental amalgam contribute
54,521 kg (10%) of Hg, whereas the ASGM sector, dominated by the use of Hg amalgama-
tion during gold production accounts for 156,350 kg (27.3%) of Hg releases. Cumulatively,
the implementation of these action areas would reduce approximately 573,328 kg of Africa’s
contribution to global Hg emissions [44].

Figure 2. Mercury releases from ASGM, mercury-added products, and waste management sectors
from 17 MIA reports from countries in Africa [44].

From the above statistics, it remains clear that the environmental presence and use of
Hg in the ASGM sector and industrial products exposes the biosphere to toxicity from Hg
interaction with air, land, and water and consumption of Hg-contaminated food, moreso
in SSA aquatic systems [16,44]. To address the Hg intoxication problem, there is a need to
establish the present status, environmental impacts, and existing interventions to address
this global and continental problem, particularly aquatic Hg pollution. The ASGM sector
remains a critical contributor to aquatic Hg in SSA [5,45,46]. However, few studies have
attempted to establish the magnitude and impact of aquatic Hg pollution from the SSA
perspective but have not entirely focused on the contribution of the ASGM sector [47–49].
Other studies have reviewed the impacts of Hg contamination of aquatic environments from
ASGM at the country level, including in South Africa [50], the Lake Victoria basin, Eastern
Africa [51], and Ghana [35]. However, regional comparative studies on Hg aquatic pollution
and related environmental impacts and interventions across and from sub-regional ASGM
activities across SSA that provide regional interventions are missing. Consequently, the
review focuses on (1) establishing the current status of aquatic Hg pollution, (2) exploring
the environmental impacts of Hg pollution on aquatic ecosystems in sub-Saharan Africa,
and (3) highlighting proposed interventions and identifying gaps for further research on
the management of aquatic Hg pollution from ASGM in SSA.

2. Methodological Approach

We considered primary research and reviews published in English between 2000 and
2023 and the latest annual reports from relevant institutions, such as the UNEP Minamata
Convention on Mercury (https://minamataconvention.org (accessed on 18 October 2023)),
country-based Minamata Initial Assessment (MIA) reports (https://minamataconven
tion.org/en/parties/minamata-initial-assessments (accessed on 21 October 2023)), the
UNEP 2018 Global Mercury Assessment (GMA) report (https://wedocs.unep.org/hand
le/20.500.11822/29830 (accessed on 27 October 2023)), UN Environment Global Mercury
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Partnership (UNGMP) (https://www.unep.org/globalmercurypartnership (accessed on
4 November 2023)), and the Global Environmental Facility (GEF) (https://www.thegef.org
(accessed on 8 November 2023)). The articles were retrieved from SCOPUS, Google Scholar,
and institutional databases. We further conducted a citation search on the documents
retrieved to identify additional relevant studies. Different combinations of keywords were
used to access the relevant literature, including “environmental”, “impacts”, “aquatic”,
“ecosystems”, “small-scale”, “artisanal”, “gold mining”, “mercury”, “pollution”, and
“country” (“country name”). Publications from South America and Asia were also accessed
for a comparative assessment of aquatic ASGM pollution in the southern hemisphere.
We retrieved 151 documents, 119 primary research articles, and 32 from secondary data
(Figure 3).

Figure 3. Number of publications between 2000 and 2023 per region on aquatic Hg pollution from
ASGM and processing.

3. Mercury Pollution in Sub-Saharan Africa: Trends and Impacts

ASGM has recently intensified in SSA, driven by its potential to provide livelihoods
and alleviate poverty in resource-rich but economically disadvantaged localities [47,52].
However, the expansion of ASGM in SSA has accelerated Hg pollution with severe envi-
ronmental impacts on air, water, land, and human health. The use of Hg in gold processing,
often informal and unregulated, severely threatens the aquatic ecosystems of SSA. The
release of this toxic element into aquatic systems not only endangers the health of aquatic
biota but also the well-being of the riparian community at local and global scales [16].
Several studies have documented the environmental impacts of aquatic Hg pollution across
the sub-regions of SSA: Eastern, Central, Western, and Southern, as discussed below.

3.1. Mercury Pollution to Air, Land, and Aquatic Ecosystems: MIA Synthesis

This section presents an account of Hg pollution in air, terrestrial, and aquatic en-
vironments in Eastern, Southern, Central, and West Africa from the three key sources,
which are primary metal production (PMP), production of other materials and metals
(OMM), and extraction and use of fuel/energy sources (FES) listed in the MIA reports
(https://minamataconvention.org/en/parties/minamata-initial-assessments (accessed on
21 October 2023). Twenty-seven MIA reports from sub-Saharan African countries were
synthesised (Figure 3). Generally, THg emissions were 962,827 kg/yr, of which a total of
261,765 kg/yr (27.2%) was emitted to air, 150,908 kg/yr (15.7%) to water, and 550,154 kg/yr
(57.1%) was emitted to land from three major contributors, namely, primary metal produc-
tion, minerals and other materials, and emissions from the extraction and use of fuel/energy
(Figure 4) (MIA, 2017–2023). Burkina Faso and Sudan were the main contributors of THg,
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with 335,698 (34.9%) and 320,038 (33.2%) kg/yr, respectively. Ghana, South Africa, Senegal,
and Zambia contributed between 30,665 (3.18%) and 65,249 (6.78%) kg/yr THg, while
the remaining countries accounted for 114,728 kg/yr (11.92%) THg releases in SSA (MIA,
2017–2023).

Figure 4. Contribution to total Hg pollution from extraction and consumption of fuel and energy
sources and exploitation of primary metals, other minerals, and raw materials in sub-Saharan Africa
(data source: MIA, 2017–2023 reports).

3.1.1. Eastern Africa

According to the MIA, between 2017 and 2023, atmospheric Hg emissions in Eastern
African countries (kg/yr) increased in the order Eritrea (45.1) < Rwanda (77.4) < Sudan
(237) < Tanzania (970) < Ethiopia (5739) < Uganda (12,138) (Figure 5). Annual land THg
pollution from the extraction of core metals, such as Au and diamond, from ASGM in the
region was predominant in Tanzania (9363), Rwanda (13,193), Eritrea (4106 kg/yr), and
Uganda (3333 kg/yr). The extraction of OMM contributed to atmospheric THg emissions
of 31.4 kg/yr (Rwanda) and 645 kg/yr (Tanzania), totalling 1646.25 kg/yr. Primary metal
production was a significant source of aquatic THg in Ethiopia (375 kg/yr) and Sudan
(103,622 kg/yr).

3.1.2. Southern Africa

Only three country MIA reports were available in Southern Africa: Botswana, South
Africa, and Zambia; the latter are major sub-Saharan African mining countries. Primary metal
production accounted for 65% (19,781 kg/yr) of THg in South Africa, 49% (14,705 kg/yr)
in Zambia, and 8% (69 kg/yr) of atmospheric THg emissions. Additionally, 8275 kg/yr of
THg was released to aquatic environments in South Africa, 1719 kg/yr in Zambia, and only
44.4 kg/yr in Botswana. Zambia was the highest emitter of THg on land (139,976 kg/yr),
followed by Botswana (10,598 kg/yr) and South Africa (2183 kg/yr) (Figure 6).
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Figure 5. Total Hg emissions to air, water, and land in Eastern Africa from the three main contributors
(data source: MIA, 2017–2023 reports).

Figure 6. Emissions of THg to air, water, and land in Southern Africa from the production of primary
metals, other minerals and materials, and extraction and use of fuel/energy (data source: MIA,
2017–2023 reports).
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3.1.3. West Africa

From Figure 7, atmospheric THg pollution was mainly from the extraction of fuel
and other energy sources from Nigeria (2370 kg/yr), Ghana (1228 kg/yr), Burkina Faso
(286 kg/yr), Senegal (260 kg/yr), Togo (144.2 kg/yr), and Sierra Leone (118 kg/yr). Primary
metal processing in West Africa contributed significantly to atmospheric THg, particu-
larly from Burkina Faso (36,996 kg/yr), Ghana (33,344 kg/yr), Nigeria (4396 kg/yr), and
Cameroon (2000 kg/yr). The PMP sector also released large amounts of THg to aquatic
systems in Benin (3286 kg/yr), Ghana (6527 kg/yr), and Senegal (7266 kg/yr). The West
African terrestrial ecosystems equally received alarming quantities of THg from Burkina
Faso (287,881 kg/yr), Ghana (6075 kg/yr), Nigeria (6730 kg/yr), and Senegal (21,752 kg/yr).

Figure 7. Mercury emissions to air, water, and land in West Africa from the extraction and processing
of minerals and fuel/energy resources (data source: MIA, 2017–2023 reports).

Extraction and use of fuel and other energy sources contributed a cumulative 1683 kg/yr
to atmospheric THg, approximately 1186 kg/yr to land, and another 326 kg/yr to water
bodies in the sub-region.

3.2. Regional Patterns of Aquatic Hg Pollution from ASGM

In SSA, the western Africa region is richly endowed with mineral and natural fuel
energy resources compared to the rest. Consequently, as depicted in Figure 8, based on
THg emissions from three key sectors, primary metal production, mining and processing
of secondary metals and other mineral resources, and extraction of fuels and other energy
sources, West Africa was the highest contributor to environmental THg pollution (50.2%),
followed by Central Africa (39.6%), Southern Africa (9.6%) and Eastern Africa (0.5%). The
implications of these emissions to the aquatic environmental and potential health risks
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from the utilisation of water and water resources (e.g., fish) in the different sub-regional
locations are described in Section 3.2.1 below and summarised in Table 1 for clarity.

3.2.1. Eastern Africa
Uganda

In the Okame River basin of Eastern Uganda, River Omanyi was the most contami-
nated from ASGM by Hg (0.0191 mg/L), followed by Nankuke (0.0163 mg/L) and Nabewo
(0.0158 mg/L) [53]. Omara et al. [54] investigated THg contamination in water, sediments,
and fish from the Namukombe stream in Uganda’s Busia gold mining district. THg concen-
trations in water were up to 1.21 mg/L; fish muscle contained 0.11 μg/g; and sediments had
0.14 μg/g. In the Western Uganda Rwizi River ecosystem, sediments had 0.01–0.4 μg/g,
while surface water contained 0.01–0.3 μg/L of Hg traced to ASGM [54]. However, the
health risk from drinking water in the Rwizi River was considerably low [55]. In the
Napoleon and Winam Gulfs of Uganda and Kenya, respectively, THg ranged from 1.7 to
5.8 ng/L, while MeHg levels ranged between 0.2 and 1.0 ng/L in the L. Victoria waters and
were considerably higher than Hg levels in temperate lakes [56].

Tanzania

Earlier studies by Ikingura and Akagi [57] and Ikingura et al. [58] in the L. Victoria
goldfields of Tanzania revealed low Hg in fish (7.0 μg/g), sediments (4.19 μg/g) and soils
(3.39 μg/g) within the ASGM locations. However, Hg concentrations in urine samples
(2.6 ng/mL) and human hair (947 ug/g) from miners exposed to Hg vapour during
amalgamation were significantly higher [57,58]. In the Mugusu mine, Hg concentrations
in stream sediments varied from 0.5 to 6.0 mg/kg, while tailings from the Mwagamaza
mine had 165–332 mg/kg THg [59]. In Nungwe Bay, however, the low Hg concentrations
(2–23 μg/kg) in fish were linked to background levels. Furthermore, the tailings released
high MeHg concentrations (629–710 ng/g) [56]. Chibunda [60], in a bioassay to determine
the bio-uptake and toxicity of mercuric chloride (HgCl2) from ASGM activities on aquatic
biota of L. Victoria basin goldfields, observed that assay concentrations ranging from
8 μg/L in the freshwater shrimps (Caridina nilotica) to 68 μg/L in freshwater snails (Bulinus
forskalii) and 162 μg/L in fish (Hypochromis nubilus) exhibited biotoxic effects. Taylor
et al. [61] comprehensively assessed the environmental impact of Hg release from ASGM
in the Rwagamaze gold mine region of the Geita district in Tanzania. In that study, Hg
concentration increased from 0.01 to 1.6 mg/kg in stream sediments and 0.006–3.5 mg/kg
in fish from Lake Victoria; these values exceeded the WHO limits (0.5 mg/kg) for human
consumption and the WHO maximum allowable limit (0.2 mg/kg) for vulnerable groups.

Kenya

The environmental contamination from ASGM Hg release in the Migori Gold Belt
in the L. Victoria basin, Kenya, has been extensively documented. According to Ogola
et al. [62], stream sediments at the gold sites carried 0.28–348 mg/kg, and tailings at the
panning sites released 0.46–1920 mg/kg Hg. Findings from that study estimated that about
150–200 kg Hg/month was used for Au processing, of which 40% and 60% were lost during
panning and amalgamation, respectively. Odumo et al. [63] investigated Hg concentrations
in gold ores and sediment from four ASGM areas within the Gold Belt (Osiri A and B,
Mikei, and Makalda) and reported 16.1–149.9 mg/kg Hg. Ngure et al. [64] also observed
significant Hg concentrations in water (0.36–52.1 μg/L), soil (0.51–1830 mg/kg), and fish
(0.26–355 mg/kg), which were above the WHO/FAO maximum acceptable limits. In the
same period in the Migori-Transmara ASGM region, high Hg was detected in sediment
(430 μg/kg), soil (140 μg/kg), and tailings (8900 μg/kg) and was associated with wet and
dry depositions [65]. In recent investigations, Tampushi et al. [66] reported 0.66 mg/L in
surface water and 24.63 mg/kg Hg in sediments, positively correlated with ASGM ore
and tailings contamination sources in the Lolgorian mining region of southwestern Kenya.
In Kakamega and Vihiga counties, soil samples contained Hg levels about 49% above the
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USEPA standards with 1–72% bioaccessibility. Metal concentrations in 25% of water sources
exceeded the WHO (10 μg/L) limit, which increased the risk of non-carcinogenic health
effects in humans [67].

Sudan

In sub-Saharan Africa, Sudan was ranked as the largest Hg importer between 2008
and 2015, accounting for an average of 43.25 tonnes of Hg annually, mainly used for gold
extraction in ASGM [68]. The use of Hg in gold extraction, particularly when miners
employ rudimentary techniques, contaminates aquatic ecosystems. For instance, improper
handling and disposal of Hg-laden tailings releases this toxic element that ultimately
leaches into aquatic ecosystems [69]. Ahmed et al. [70] assessed the consequences of Hg
use in ASGM processes on the surface water quality of the Alebedia area in the River Nile
State, Sudan. In the study, the average Hg concentration in water ranged between 0.001
and 0.005 mg/L, attributed to ASGM activities that used mercury amalgamation for gold
processing. Hg levels in stream sediments from five regions of the Dar-Mali gold mining
area in Sudan’s Nile State were lowest in the eastern part (0.001 mg/kg) and increased in
the northern (0.002 mg/kg), southern (0.004 mg/kg), and western (0.005 mg/kg) parts [71].
Another study by Mubarak and Ali [72] investigated Hg content among other metals in two
fish species, Nile perch (Lates niloticus) and Nile tilapia (Oreochromis niloticus) of Lake Nubia,
Sudan. It was noted that Hg levels ranged from 0.017 to 0.094 mg/kg in O. niloticus and
0.085–0.172 mg/kg in L. niloticus, indicating bioaccumulation in fish, thus posing health
risks to consumers.

3.2.2. Southern Africa
South Africa

South Africa is a significant coal and Au producer in SSA and an important source of
Hg pollution globally, contributing about 46.4 tonnes of Hg in 2018 [73,74]. For instance,
atmospheric Hg emissions and deposition to the aquatic environment are significantly
elevated in South Africa from activities such as coal combustion, ASGM, and industrial
gold mining [47]. South Africa is the second-highest emitter of atmospheric Hg from coal-
powered energy production plants, which supply ~64% of energy, releasing 0.02–0.16 g
Hg per ton of coal burned [75]. South Africa is also the second largest producer of Au,
and 70–80% of Hg emissions emanate from Au mining, far higher than coal combustion,
while the remaining 20–30% is deposited onto terrestrial and aquatic environments [76].
Additionally, 50 ng/g THg and 1.3 ng/g MeHg were reported in sediment cores and surface
sediments from South Africa’s Berg River [77], up to 68 ng/g in the Olifants River [74], and
up to 0.036 μg/L in the Ga-Selati River [78].

Hg contamination of aquatic systems by coal-fired power generation in the Upper
Vaal and Olifants and ASGM in the Inkomati catchment has been observed from fish, water,
and sediment analyses [50]. According to Lusilao-Makiese et al. [79], Hg released from
ASGM activities in abandoned gold mines in Randfontein, west Johannesburg, release up to
10 μg/g to sediments, 2 ng/L in surface water, and 223 ng/L in groundwater, negatively im-
pacting the Krugersdorp Game Reserve ecosystem. Mine tailings and sediments have been
reported to release significant Hg (837–867 μg/kg) to surface waters, of which 90% occur as
toxic MeHg [80]. In another study, the variability in MeHg concentration (~13 μg/kg) and
IHg (~8480 μg/kg) in sediments in low flows was influenced by seasonality [81]. Verhaert
et al. [82] investigated THg in water, surface sediments, aquatic biota, and the trophic
transfer dynamics of Hg in the Olifants River basin. The biomagnificative property of THg
was noted in fish that accumulated between 0.1 and 6.1 μg/g and trophic magnification
factor (TMF) > 1, mostly desorbed from sediments (0.001–0.078 μg/g THg), with potential
risk from consumption from fish in the basin.
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Zimbabwe

van Straaten [45] compared Hg contamination from ASGM activities in Zimbabwe
and Tanzania, where 70–80% was lost to the atmosphere and 20–30% to terrestrial and
aquatic ecosystems. While the THg released in Tanzania’s Lake Victoria goldfields ranged
between 3 and 4 tonnes and above 3 tonnes in Zimbabwe, approximately 1.2–1.5 g of Hg
was also released to the environment during Au processing, corresponding to the global
1–2 g Hg loss per gram of Au produced [83]. Green et al. [84] reported aquatic sediment
Hg levels between 6 and 154 mg/kg, which positively correlated with organic content
but negatively correlated from the source along a four-stream system draining the Farvic
Gold Mine area, southeast of Bulawayo, Zimbabwe. In a study to determine the ecological
impacts of illegal ASGM on freshwater crabs (Potamonautes sp.) and quantify Hg levels in
49 river sampling sites across three land use categories in Chimanimani, Eastern Zimbabwe,
Dalu et al. [85] reported Hg levels in stream water from 0 to 0.1 mg/L in communal lands,
up to 0.3 mg/L in the national parks, and up to 0.06 mg/L in the timber plantations.
Furthermore, the national parks had strong-to-extreme contamination and extremely high
Hg enrichment. However, the Hg levels in surface water did not influence the distribution
or abundance of crabs. In contrast, Makaure et al. [86] compared Hg contamination and
trophic dynamics of fishes between the protected Chivero and ASGM-impacted Mazowe
reservoirs in Zimbabwe and revealed significant THg bioaccumulation in Mazowe with
trophic magnification slopes (TMS) of 0.28. About 75% of the fish exceeded the 0.5 μg/g
THg UNEP recommended threshold, potentially exposing humans and higher trophic
fauna to health risks from fish consumption.

3.2.3. Central Africa

Mercury pollution in the lotic systems of Central Africa poses a growing environmental
concern, primarily driven by ASGM activities [87]. Artisanal gold miners in Central Africa
employ rudimentary processing techniques, often involving Hg [88,89]. The improper
handling and disposal of this toxic element has led to substantial contamination of aquatic
systems, endangering aquatic life and impacting the livelihoods of local communities [90].
According to UNEP [87], mercury pollution from ASGM in Central Africa is widespread
across the region’s water bodies, with far-reaching ecological and health consequences. In
the south Kivu and some Ituri Basins in Butuzi, eastern DRC, atmospheric Hg emissions
account for 29% of THg release from ASGM. In comparison, 71% is lost in mine wastes, of
which nearly 50% is transported to streams via surface runoff, exerting adverse impacts on
aquatic biota [87].

In the Kienke and Tchangue Basins of the Togo Gold District in Southern Cameroon, Hg
levels of 0.106 mg/Kg in river sediments exceeded the WHO limits [91]. However, there was
low sediment contamination (CF = 0.17) and low potential aquatic ecological risk (ERF = 4.24)
from exposure to Hg in both basins. Additionally, Pascal et al. [92] investigated the influence
of gold panning in nine rivers in the Fizi catchment of south Kivu, DRC. Hg levels ranged from
7.8 to 10.7 ng/L in rivers Kimuti, Mandje, and Kuwa, 12.9–18.10 ng/L in Kacumvi, Lubichako,
Eto, and Makungu, and 20.3–41.3 ng/L in Misisi and Kambi, which were most polluted [92].
Similarly, Pascal et al. [93] noted Hg concentrations (mg/Kg) in stream sediments of nine
rivers in the order Kimbi (89.8) > Misisi (41.1) > Makungu (36.9) > Eto (33.7) > Lubichako
(30.1) > Kacumvi (25.3) > Kuwa (20) > Mandje (17.1) > Kimuti (13.6). Furthermore, the
higher enrichment of stream sediment with Hg (ER = 24.5) implied a high ecological risk
to aquatic biota (PERI = 539.5) in the Fizi catchment [93]. Ngueyep et al. [94] evaluated
the effect of AGSM on the surface water quality of the Kadey River system in Batori, east
Cameroon, and noted higher Hg concentrations up to 0.02 mg/L, exceeding the 0.001 mg/L
WHO limits. Ngounouno et al. [95] evaluated the impact of gold mining on the Lom River
of Wakaso, Adamawa, and Cameroon and the efficiency of drumstick tree (Moringa oleifera)
seeds in bioremediating metal-polluted wastewater. Among other metallic contaminants, Hg
concentrations for water (0.01–1.83 mg/L) and sediment (2–25 mg/kg) were both above the
WHO limit (0.001 mg/L) and (1 mg/kg), respectively, in all the sampling points. This could
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be attributed to gold processing involving mercury amalgamation and burning [96]. Bella
Atangana et al. [97] investigated the seasonal variability of Hg contamination of stream water
in the Lom gold basin from ASGM, where the dry and wet season mean concentrations were
0.007 and 0.008 mg/L, respectively. In contrast, Ayiwouo et al. [98] observed a higher dry
season mean value (0.005 mg/L) and a lower wet season mean value (0.004 mg/L) for Hg
concentration in the Lom River, Gankombol region.

3.2.4. West Africa
Ghana

Rajaee et al. [99] evaluated the impacts of human and ecological Hg exposure and
spatial distribution in the ASGM in Kejetia, Gorogo, and Bolgatanga, Upper East Ghana.
The findings indicated elevated hair, urinary, and household soil Hg concentrations of
0.967 μg/g, 5.18 μg/L, and 3.77 μg/g, respectively, but low concentrations in sediment
(0.005–0.248 μg/g; mean 0.036 μg/g) and fish (0.024–0.22 μg/g; mean 0.07 μg/g). Donkor
et al. [36] reported seasonal variabilities of Hg in sediments from Ghana’s Pra River Basin
at 0.018–2.92 mg/kg in the rainy season and 0.01–0.043 mg/kg in the dry season. The high
sediment enrichment with THg indicated severe contamination of streams in the Pra Basin.
Further studies by Donkor et al. [37] in the basin revealed elevated seasonal Hg sediment
concentrations between 0.265 mg/kg (rainy) and 0.019 mg/kg THg (dry), and 0.021 mg/kg
(rainy) and 0.001 mg/kg MeHg (dry) from AGSM.

Recently, Affum et al. [100] also correlated the 0.18–0.56 μg/L Hg in water and
1.13–1.21 mg/kg Hg in sediments of the Bonsa River to gold mining and processing. The
above Ghana EPS/WHO guideline value (0.001 mg/L) and Hg levels (0.045–0.061 mg/L)
in River Bonsa water were also recently confirmed by Obiri-Yeboah et al. [101] and at-
tributed to increased ASGM in the basin. However, Tulasi et al. [102] also attributed Hg
methylation in Ghanaian river systems to cyanide (CN)-based Au mining activities. The
authors correlated the increase in solubility and sediment transport of MeHg in the Apepe
(4.58–14.82 ng/g) and Ankora (0.24–1.21 ng/g) rivers in southwest Ghana with elevated CN
concentrations. A health risk assessment by Kortei et al. [40] on Hg toxicity in Ankobrah
and Pra Rivers indicated 0.006–0.0093 mg/l in water and 0.4–0.6 mg/kg in fish tissue, with
a corresponding target hazard quotient (THQ) > 1, demonstrating potentially harmful
health effects.

Senegal

AGSM in Senegal is predominant in the southeastern Kedougou region, along the
Mali-Guinea border, which hosts the 230 km2 Sabodala Belt, the largest gold deposit
(~400 tonnes) in West Africa [103]. Gold mining in the Gambia River, draining the Ke-
dougou basin and characterised by THg levels above the sediment quality and probable
concentration thresholds, has negatively impacted the basin’s aquatic ecosystems. For
instance, results from THg analysis of nine freshwater fish species indicated concentra-
tions of between 0.03 and 0.5 mg/kg THg and between 0.5 and 1.05 mg/kg THg in two
species of shellfish in the Gambia River, which were above the WHO guideline value of
0.5 mg/kg [22]. In the same basin, higher concentrations of up to 1.5 mg/kg, 0.4 mg/kg,
and 0.32 mg/kg THg were detected in human hair in Bantako, Tinkoto, and Samekouta
towns, respectively, of the Kedougou region [22]. Niane et al. [104] recently indicated a
decrease in THg contamination in the Gambia River stream sediments from 9.9 mg/kg
in 2014 to 1.16 mg/kg, with potential toxicity to aquatic biota. Another study by Gerson
et al. [105] evidenced that ASGM in Kedougou contributed 4.2 ng/g and 22 ng/L THg in
sediment and water, respectively.

Nigeria

In Nigeria, ASGM-related Hg contamination in the Manyera River in Niger State
ranged between 0.014 and 0.025 mg/L in water and up to 0.021 mg/kg in sediment.
Additionally, fish (Heterotis niloticus) from the river bioaccumulated 0.008 mg/kg [106].

17



Water 2024, 16, 756

In the northwest Anka ASGM region, 2.12 and 1.25 μg/g Hg were recorded from stream
sediments and tailings, respectively [107]. Sani et al. [108] recently assessed ASGM pollution
of three water sources around the Igade mining area in Niger State, where the Hg levels for
the well (0.01 mg/L), borehole (0.005 mg/L), and river water (0.012 mg/L) were above the
WHO and Nigeria recommended standards for potable water.

Figure 8. Contribution of THg in Eastern, Central, West, and Southern Africa showing the proportion
of THg emissions in SSA from production of primary metals, other metals and minerals, and the
extraction of fuel and other energy sources (data source: MIA, 2017–2023 reports).

Table 1 summarises the environmental occurrence and concentration of the different
categories of Hg in aquatic ecosystems of the Eastern, Southern, Central, and Western
sub-regions of SSA with evidence of ASGM-related impacts.

Table 1. Aquatic pollution in water, sediment, and biota in the Eastern, Southern, Central, and
Western sub-regions of SSA from selected studies.

Region and Country Aquatic Matrix Hg Category and Value References

1. Eastern
Uganda Okame River Hg: 0.019 mg/L (Water)

[55]Nankuke River Hg: 0.0163 mg/L (Water)
Nabweo River Hg: 0.0158 mg/L (Water)

[56,57]

Namukombe stream
THg: 0.11 μg/g (Fish, Oreochromis

niloticus); 1.21 mg/L (Water);
0.14 μg/g (Sediment)

Rwizi River

Hg: 0.01–0.1 ug/g (Sediment);
0.01–0.3 μg/L (Water); 0.04 μg/g
(Fish, Barbus altianalis); 0.09 μg/g

(Fish, Brycinus sadleri)
[58]

Lake Victoria THg: 1.7–5.8 ng/L;
MeHg: 0.2–1.0 ng/L (Water)
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Table 1. Cont.

Region and Country Aquatic Matrix Hg Category and Value References

Tanzania

Lake Victoria
Goldfield streams

Hg: 7.0 μg/kg (Fish, Tilapia sp.);
ug/g (Sediment)

[58–61,63]Mugusu mine streams Hg: 0.35–6.0 mg/kg (Sediment)

L. Victoria, Nungwe Bay Hg: 2–35 μg/kg (Fish, Tilapia sp.;
Lates niloticus; Protopterus sp.)

Rwamagasa Gold mine
region streams

Hg: 0.01–1.6 mg/kg (Sediment);
0.006–3.5 mg/kg (Fish, Lates sp.,

Oreochromis spp., Clarias sp.)

Kenya
Migori Goldbelt,

Lake Victoria Basin
Hg: 430 μg/kg–149.9 mg/kg

(Sediment) [64–68]
Hg: 0.36 μg/L–0.66 mg/L (Water);

0.26–355 mg/kg
(Fish, Rastrineobola argentea)

Sudan River Nile State Albenda
region streams

Hg: 0.001–0.005 mg/L (Water);
0.017–0.094 mg/kg (Fish:

Oreochromis niloticus);
0.085–0.172 mg/kg

(Fish: Lates niloticus)

[72,74]

2. Southern

South Africa

Berg River THg: 50 ng/g (Sediment); MeHg:
1.3 ng/g (Sediment)

[76,79–81,84]

Olifants River

MeHg: 68 ng/g (Sediment); THg:
0.1–6.1 μg/g (Fish, Clarias sp.;

Hydrocynus sp., Labeo sp., Schilbe sp.,
Labeobarbus sp., Oreochromis sp.);

0.001–0.078 mg/g (Sediment)
Ga-Selati River MeHg: 0.036 μg/L (Water)

Randfontein, West
Johannesburg stream

Hg: 10 μg/g (Sediment); 2 ng/L
(Surface water);

223 ng/L (Ground water)

Zimbabwe

Farvic Gold mine area
streams, Bulawayo.

Chimanimani, East Zimbabwe

Hg: 6–154 mg/kg (Sediment);
0.06–0.4 mg/L (Water)

Hg: 0.1–0.3 mg/L (Water) [86–88]

Mazowe and Chivaro
Reservoirs THg: Above 0.5 μg/g (Fish)

3. Central

Cameroon

Togo Gold District, Kianke,
and Tchangue Basins Hg: 0.106 mg/kg [93]

Kadey River, East Cameroon Hg: 0.02 mg/L (Water) [96]
Lom River, Adamawa Hg: 0.01–1.83 mg/L (Water) [97]

Lom Basin Hg: 0.007–0.008 mg/L (Water) [98]
Lom River, Gankombol Hg: 0.004–0.005 mg/L (Water) [99,100]

Democratic Republic of
Congo

Fizi Basin River systems,
south Kivu

Hg: 7.8–41.3 ng/L (Water);
17.1–89.8 mg/kg (Sediment) [94–96]

4. West

Ghana
Kejetia Gorogo and

Bolgatanga ASGM area
streams, Upper East Ghana

Hg: 0.05–0.248 μg/g (Sediment);
0.024–0.22 μg/g

(Fish; species unidentified)
[101]

Pra River Basin Hg: 0.01–2.92 mg/kg (Sediment) [36]
THg: 0.019–0.265 mg/kg

(Sediment)
MeHg: 0.001 mg/kg (Sediment) [37]

Bonsa River Hg: 0.18 μg/L–0.061 mg/L (Water);
1.13–1.21 mg/kg (Sediment) [102,103]
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Table 1. Cont.

Region and Country Aquatic Matrix Hg Category and Value References

4. West
River Apepe and Ankora MeHg: 0.24–14.82 ng/g (Sediment) [104]

Ankobrah and Pra Rivers
Hg: 0.006–0.0093 mg/L (Water);

0.04–0.6 mg/kg (Fish, Oreochromis
niloticus; Clarias angularis)

[40]

Senegal Gambia River

THg: 0.03–0.5 mg/kg (Fish);
0.5–1.05 mg/kg (Shellfish);

4.2 ng/g–9.9 mg/kg (Sediment);
22 ng/L (Water)

[106,107]

Nigeria Manyera River, Niger State

Hg: 0.014–0.025 mg/L (Water);
0.021 mg/kg (Sediment);

0.008 mg/kg
(Fish—Heterotis niloticus)

[108]

Northwest Anka
ASGM Region Hg: 2.12 mg/g (Sediment) [109]

Igade mining area, Niger State Hg: 0.01–0.012 mg/L (Water) [110]

3.3. Regional Summary and Intercontinental Hg Pollution from ASGM

Table 2 reflects the overall trend in countries in sub-regions of sub-Saharan Africa,
South America, and Asia where evidence of ASGM contributing to aquatic Hg pollution
has been documented. Hg concentration in Eastern Africa’s aquatic systems ranged from
5.8 ng/L in the Napoleon Gulf, L. Victoria, to 1.21 mg/L in the Namukombe stream,
Uganda, and from 0.36 μg/L in the L. Victoria Basin rivers to 0.66 mg/L in the Lolgorian
region in Kenya [54,64,66]. In the Alebedia area in River Nile State, Sudan, Ahmed et al. [70]
reported 0.001 to 0.005 mg/L Hg in surface water. Sediments in Uganda’s Namukombe
stream contained Hg levels from 0.14 to 0.4 μg/L [54]. Campbell et al. [51] reported
629 ng/g Hg in sediments of L. Victoria, while Ikingura et al. [59] documented maximum
Hg concentrations of 6 mg/kg in stream sediments around the Mugusu mine of the L.
Victoria Basin of Tanzania. In Kenya, Tampushi et al. [66] investigated Hg release into
stream sediments at the Lolgorian ASGM site, where maximum Hg concentrations reached
24.6 mg/kg. In Sudan’s Dar Mali gold mining region, stream sediment Hg concentrations
ranged between 0.001 and 0.005 mg/kg [71]. Hg levels of environmental concern have also
been reported in Eastern Africa. For instance, evidence of fish contamination with Hg was
reported in Uganda at 0.11 μg/g [54] and 2.0 μg/g to 3.5 mg/kg in Tanzania [61].

In South Africa, in the Ga-Selati and Berg Rivers (in Limpopo basin) and Phongolo,
Olifants, and Upper Vaal Rivers, concentrations of 0.036 μg/L in surface water, 50 ng/g to
1.3 μg/g in sediments, and 0.001 to 6.1 ng/g Hg in fish tissue were reported for several stud-
ies [50,74,77,78,82]. Elevated Hg concentrations ranging between 6 and 154 mg/kg were
reported in stream sediments of the Farvic Gold mining area in Bulawayo, Zimbabwe [84],
and between 0.006 and 154 mg/kg in the tropical reserve area in Zimbabwe [85]. In central
Africa’s DRC, in the Fizi catchment of South Kivu, Hg release to water from gold production
ranged from 7.8 to 41.4 ng/L and 13.6–89.8 mg/kg in sediments [93], while in the Kienke
and Tchangue basins of Cameroon, sediment Hg levels reached 0.106 mg/kg [91]. In West
Africa, Hg levels in the range 0.18 ug/L–0.0093 mg/L were reported by Affum et al. [100]
and Kortei et al. [40] in the surface waters of Bonsa, Anrobrah, and Pra Rivers, respectively,
in Ghana. Fish accumulated up to 0.6 mg/kg Hg in the Ankobrah-Pra River systems [40].
In Senegal, freshwater fish accumulated THg concentrations ranging between 0.03 and
1.05 mg/kg in the Gambia River [22]. In Nigeria’s Manyera River, ASGM-produced Hg
was detected in tissues of fish (Heterotis niloticus) up to 0.008 mg/kg.

Similarly, Hg pollution trends have been documented in Latin American and Asian
ASGM environments. In Asia, Hg levels in surface water ranged from 0.002 μg/L in
Myanmar [109] to 8 μg/L in the Philippines [110]. Murphy et al. [111] recorded con-
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tamination of sediments up to 64 ng/g in Cambodia; bioaccumulation of Hg in fish was
between 90 ng/g and 50 μg/g. Abraham et al. [112] reported that bottom sediment con-
tained 2.7 μug/g–0.02 mg/kg Hg in the Zamora River, Ecuador, while tailings from ASGM
released 89–1535 μg/g Hg as mining effluents. In the Madeira River, Brazil, in Latin
America, the THg accumulated up to 1242 μg/kg in fish [113]. Hg contamination was
higher (0.12–1.92 mg/kg) in fish communities of the ASGM in the Cuyuni River Basin of
Venezuela [114]. Hacon et al. [115] assessed the potential ecotoxicological risks of THg to
trophic guilds of fish in 18 sites in five regions of the Amapá State territory in the Brazilian
Northern Amazon region. Carnivorous fish had a mean concentration of 0.4 μg/g; omnivo-
rous fish (Pimelodus ornatus) accumulated 1.8 μg/g Hg; and herbivorous fish, e.g., Mylesinus
paraschombourgkii (“flaviano”), had unexpectedly high Hg levels (1.0 μg/g). At the same
time, another herbivore, Myloplus ternetzi (“pacu”), bioaccumulated up to 0.85 μg/g Hg.
The highest Hg levels were detected in carnivorous fish species (2.1 μg/g), including
Boulengerella cuvieri (“pirapucu”), followed by Cichla monoculus (“tucunaré”) and Hoplias
aimara (“traírão”). The high Hg levels present a potential risk from local fish consumption
in the region. A similar study in the western Amazon Basin Triple Frontier monitored the
impact of THg on commercial fish [116]. In that study, carnivorous fish species had the
highest concentrations of THg (e.g., Hoplias malabaricus with a THg of 0.205–2.818 μg/g;
Hoplerythrinus unitaeniatus with a THg from 0.97 to 1.873 μg/g THg) above the maximum
allowed by the Brazilian guidelines (1.0 μg/g), while the THg in the herbivores (e.g., Ptery-
goplichthys pardalis, with 0.092–0.279 μg/g THg) was below the acceptable limit. In the
southeastern ASGM region of the Peruvian Amazon, Hg levels in lake and river sediments
ranged between 64 and 86 ng/g and 20–53 ng/g, respectively [117]. Additionally, 5% of the
piscivorous fish bioaccumulated Hg concentrations above the 500 ng/g limit recommended
for human consumption (e.g., locally known as “chambira”, “palomata”, and “huasaco”,
bioaccumulated up to 1215, 80, and 500 ng/g, respectively). Some ASGM-impacted rivers
in the ASGM regions, such as Quebrado Yarinal and Middle-Malinowski, had no fish
during that study.

Table 2. Contribution to aquatic Hg from ASGM in SSA countries from 2000 to 2023 and selected
studies from Asia and South America.

Sub-Region Country
Environmental Compartment

References
Water Sediment/Tailings Biota

Eastern Uganda 5.8 ng/L–1.21 mg/L 0.14–0.4 μg/g Fish: 0.11 μg/g [53–55]

Tanzania 629 ng/g–6 mg/kg
Fish: 2 μg/kg–3.5 mg/kg

Shrimp: 8μg/L
Snail: 68 μg/L

[51,59–61]

Kenya 0.36 ug/L–0.66 mg/L
430 ug/kg–1920 mg/kg

(tailings) 0.001–24.6
mg/kg (sediment)

Fish: 0.26–355 mg/kg [62,63,65,66]

Sudan 0.001–0.005 mg/L 0.001–0.005 mg/kg
(sediment) Fish: 0.017–0.172 mg/kg [70,72,118]

Southern South Africa 0.036 μg/L 50 ng/g–1.3 mg/g Fish: 0.001–6.1 ng/g [50,74,77,78,82]

Zimbabwe 0.06–154 mg/kg Fish: 17–32%
with Hg > 0.2 μg/g [84–86]

Central DRC 7.8–41.3 ng/L 13.6–88.8 mg/kg [92]
Cameroon 7.8 ng/L–0.83 mg/L 2–25 mg/kg [91,93,94,97,98]

West Ghana 0.18 μg/L–
0.0093 mg/L 0.005 μg/g–2.92 mg/kg Fish: 0.024 μg/g–

0.6 mg/kg [36,37,40,100,102,119]

Senegal 22 ng/L 4.2 ng/g–9.9 mg/kg [105]
Nigeria 0.01–0.05 mg/L 2.12 ug/g–0.021 mg/kg Fish: 0.008 mg/kg [106–108]
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Table 2. Cont.

Sub-Region Country
Environmental Compartment

References
Water Sediment/Tailings Biota

Asia Indonesia 0.7–9.9 μg/L [34]
Myanmar 0.002–0.008 μg/L [109]

Philippines 0.009–80 μg/L [110]
Thailand 0.7–6 μg/L [120]

Cambodia 64 ng/g Fish: 90 ng/g–50 μg/g [111]

Latin America Ecuador
Sediment: 2.7 μg/g–

0.02 mg/kg
Tailings: 89–1535 μg/g

[112,121]

Brazil 100 ng/g–1207 mg/kg Fish: 100 ng/g–
1242 μg/kg [113,122,123]

Venezuela 4.60 μg/L 0.12–1.92 mg/kg [114]

Brazil

Fish (Carnivorous
0.4 μg/g;

Omnivore-Pimelodus
ornatus, 1.8 μg/g;

Herbivore-Mylesinus
paraschombourgkii, 1 μg/g;
M. ternetzi, 0.85 ug/g Hg)

[115]

Brazil, Colombia,
Peru

Fish (Carnivore, Hoplias
malabaricus,

0.21–282 μg/g;
Herbivore-

Pterygoplichthys pardalis,
0.09–0.28 μg/g THg)

[116]

Peru

Lake sediment: 64–86
ng/g

River sediment: 20–53
ng/g

Fish(“chambira”,
1215 ng/g: “palomata”,

80 ng/g; “Huasaco”,
500 ng/g)

[117]

4. Socioeconomic, Environmental, and Human Health Impacts of ASGM in SSA

According to Hilson [124,125], ASGM is a significant economic driver in rural SSA,
providing direct employment to more than 10 million miners in rural communities. For
instance, in Ghana and Tanzania, more than 1 million people are directly employed in the
ASGM sector, and at least 0.2 million of the ASGM community in Mali are women [124].
Furthermore, ASGM is a source of capital development beyond direct employment by
diversifying livelihoods and micro-economies in rural SSA mining communities, thereby
providing indirect employment to over 4 million people [126,127]. Therefore, across the
sub-regions of SSA, the socioeconomic contribution of the ASGM sector to the rural trans-
formation of the socioeconomic status and livelihoods of millions of people cannot be
underestimated [128].

However, the largely informal organisation of the ASGM sector in SSA competes
against the socioeconomic gains among mining communities across the region. Hilson
et al. [129] noted that the formalisation of ASGM is a difficult undertaking regardless of
the locality of the mining landscape and described the situation as a created and perpetual
informality in the ASGM mining space. The biggest drawback to this is the imbalanced
working conditions, such as the intensive labour demands involved with gold processing,
higher prostitution levels, and abuse of drugs such as narcotics [124]. Competing interests
between rural communities and ASGM entrepreneurs have frequently led to gang-related
violence, thefts, and related vices. For instance, Mkodzongi [130] reported a dramatic
increase in gang-related violence in the Shurugwi mining area of Zimbabwe’s Midlands
Province, with cases of robbery of cash, gold, and ore from miners and businesses. In
addition, most ASGM entities operate under hazardous conditions, impacting the health
and well-being of the predominantly poor rural communities [127,131].
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ASGM miners are continuously exposed to gaseous Hg during the processing of gold
by Au-Hg amalgam, which involves heating to vaporise the Hg. Hg is also released into
aquatic systems during amalgamation processes and washed off during rain and flood
events, becoming an important route for human exposure, primarily to MeHg (Figure 9).
MeHg can bioaccumulate up the food chain, resulting in human exposure risks. Hence,
communities within the ASGM regions that use Hg for gold processing may have a higher
exposure through fish consumption, intoxication through inhalation, and physical contact,
causing increased disease burden from elevated MeHg burden. For instance, in 2016,
Steckling et al. [132] reported health impacts on 1.22–2.39 million miners globally from
exposure to IHg. A critical factor determining the level of human exposure to MeHg is the
interaction with the aquatic medium and the occurrence of IHg, which is usually associated
with the aquatic environments synonymous with ASGM in SSA [133,134].

 
Figure 9. Unstructured ASGM and landscape degradation in the Democratic Republic of Congo,
Sierra Leone, and Tanzania. Miners are highly exposed to Hg, MeHg, and other toxic elements
associated with gold mining. The use of protective gear and proper handling or disposal of Hg in the
ASGM industry in sub-Saharan Africa is largely unregulated (photo credits: N. Nyirabihogo, A. R.
Thomas, and H. Nachilongo).

ASGM also exacerbates deforestation and soil erosion in many SSA countries [135–137].
The direct impact of ASGM is more focused on tropical countries in the global south, par-
ticularly SSA. According to Fisher et al. [138], several factors may increase the potential of
exposure to Hg from ASGM, including (1) high concentrations of Hg in soils, tailings, and
stream sediments; (2) a lack of employment or alternative livelihoods in many rural areas,
which promotes low-level employment occupations such as the ASGM; (3) the availability
and affordability of Hg required for gold processing and a lack of government control on
Hg importation and unregulated use in the ASGM sector; and (4) the high relative market
price of gold, which pushes the demand for Hg as a “quick” extraction method.

Additionally, reservoirs constructed for electricity generation in most river basins of
SSA are potential convertors of Hg into toxic MeHg in the aquatic environment. Hg cycling
in reservoirs typically increases MeHg production due to the ecological, biogeochemical,
and hydrological changes in aquatic environments [139]. For instance, Hall et al. [140]
observed elevated MeHg output and bioaccumulation from the deposition of organic
matter during flooding that increased microbial decomposition and net MeHg retention in
reservoirs in northwestern Ontario, Canada. In the boreal Canadian reservoirs, MeHg levels
increased 3 to 6 times post-impoundment flooding and remained high several decades
later [141]. In the tropics, reservoirs have been observed to increase MeHg production from
Hg-laden surface sediments, which bioaccumulate to harmful levels in organisms [142]. In
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that study, THg accumulation ranged from 50 to 200 ng/g in reservoirs with a surface area
between 80 and 400 km2.

5. Considerations for Interventions and Remediation

5.1. Mitigation and Remediation Strategies

The Minamata Convention, enforced in 2017, aims to “protect the human health and
the environment from anthropogenic emissions and releases of mercury and mercury com-
pounds” [28,43,143]. Article 8 of the Convention focuses on controlling and/or reducing
THg emissions to the atmosphere. Article 9 addresses efforts to prevent and/or reduce
THg releases to land and water from point sources. To minimise exposure to Hg in the
ASGM environment, capacity building, adoption of alternative methods, and technology
transfer are addressed under Article 14 of the convention [43]. At the country level, Article 7
guides actions to “. . .reduce, and where feasible eliminate, the use of mercury and mercury
compounds, and the emissions and releases to the environment of mercury from sources
such as mining and processing” [43].

5.2. Minamata Convention Parties’ Commitment in SSA

The Minamata Convention, initially signed by 76% of SSA countries, was established in
line with Article 23 of the convention and is governed by the Conference of the Parties (COP)
of the UNEP. The COP supports the implementation of the Convention through continuous
evaluation and development. In the SSA, 4% of the parties ratified the convention in the
2014–2015 period, 39% in the next 4 years following the initial ratification, and an additional
15% had the convention officially binding in the 2020 to 2023 period. Presently, 58% of
sub-Saharan countries have ratified the convention (Table 3). This is expected to positively
impact the achievement of Article 19 through the promotion and adoption of Hg-free
technologies in the ASGM sector.

Table 3. Participation of the SSA countries in accession and ratification of the Minamata Convention
(data source: Minamata Convention Parties 2023).

No. Action Year Party % of SSA

1 Signature 2013–2014

Benin, Burkina Faso, CAR, Côte d’Ivoire, Djibouti,
Gambia, Kenya, Malawi, Mali, Niger, Nigeria, South
Africa, Togo, Uganda, Tanzania, Zambia, Ethiopia,
Mozambique, Angola, Burundi, Cameroon, Chad,

Congo, Gabon, Ghana, Guinea, Guinea-Bissau, Liberia,
Senegal, Sierra Leone, Sudan, Zimbabwe

76

2 Accession 2014–2017 Botswana, Equatorial Guinea, Eritrea,
Eswatini, Lesotho, Namibia, Rwanda 15

3 Ratification 2014–2015 Djibouti, Chad 4

2016–2019
Benin, Burkina Faso, Côte d’Ivoire, Gambia, Mali,

Niger, Nigeria, South Africa, Togo, Uganda, Zambia,
the DRC, Ghana, Guinea-Bissau, Senegal, Sierra Leone

39

2020–2023 CAR, Kenya, Malawi, Tanzania,
Burundi, Cameroon, Zimbabwe 15

5.3. Towards Mercury-Free ASGM Technologies: Selected Case Studies

Article 19 (g) of the Minamata Convention commits all parties to actively and corpo-
rately collect relevant information and research on the “technical and economic availability
of Hg-free products and processes and on best available techniques and best environmental
practices to reduce and monitor emissions and releases of Hg and Hg compounds.” Hg-
free gold metallurgy technologies represent a crucial shift in the ASGM sector, aiming to
mitigate the severe health and environmental impacts of using Hg [144]. The technolo-
gies are categorised into physical metallurgy (gravity, magnetic, and flotation), chemi-
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cal/hydrometallurgy (chemical-based cyanidation, halide leaching, and use of alternative
lixiviants), and pyrometallurgy (smelting, roasting, and calcination) [145].

Earlier interventions towards the sustainable development of Hg-free ASGM technologies
in SSA were supported by the Canadian-based Artisanal Gold Council (AGC) in collaboration
with the African Mining Development Council [146]. In Burkina Faso, the government sup-
ported the development, production, and establishment of chemical-free ASGM technology.
The 1998–2004 “PRECAGEME” Project installed the equipment in 8 pilot-scale mining sites,
each with 75–85% efficiency of extracting gold from rocks and 90–95% efficiency of free
gold extraction [146]. In the Manica Province of Mozambique, a chemical-free small-scale
gold mining technology using centrifugation and magnetic separation of Au was adopted
in 2012 at the Clean Tech Mine [147]. Briefly, basins were used to collect mineral material
from centrifuge drains, ball mill pipes, and centrifuges, which were water-panned, leaving
a mixture of Au, Fe-minerals, and Fe-shavings. A magnet was repeatedly passed over the
basins to trap magnetic material until 89–93% pure Au was retained.

The use of sodium borax in the Namayingo and Mubende districts, Uganda, is another
alternative to Hg-free ASGM [148]. Sodium borax was used to remove impurities from gold
concentrate. The method displayed was more efficient after gravitation and yielded higher
gold quantities. The gold concentrate was placed in a plastic container. Equal amounts of
borax and a few drops of water were then added to a clay bowl, which was then heated
with a gasoline burner or acetylene flame to melt the mixture, after which the molten gold
was deposited in the bottom of the bowl for collection. Gold has a melting point of 1063 ◦C.
Borax, when heated, melts and lowers the melting point of the mixture, which then enables
all the minerals to melt down and separate. As the process continues, the borax causes
further oxidation and breakdown of the other minerals, except Au. Au is unaffected by this
reaction and sinks to the bottom of the mixture intact for retrieval.

Other miners used the charcoal and blower method, which took about 30 min. The
concentrate and borax mixture were placed in a plastic bag and into a clay bowl filled with
charcoal. The charcoal was ignited and kept at high temperatures using a mechanical or
hand-operated blower to melt the Au concentrate. The melted Au coalesced at the bottom
of the bowl and was then retrieved. Separately, a two-stage gravity separation with a direct
smelting method was successfully implemented in Buhere, Namayingo District, Uganda,
to increase Au recovery in a Hg-free work environment [144].

In Ghana, a UNIDO-led Hg-free gold processing initiative in 2000 promoted the use of
glass retorts for the extraction of Au from the concentrate [149]. However, this technology
was not widespread due to the relatively longer processing time (~2 h), higher energy
requirements, and the fragile nature of the retorts in the rugged mining environment.
Styles et al. [150] identified direct smelting as the most preferred Hg-free Au processing
method for ASGM in Ghana for processing small batches of Au concentrate. The technique
involved smelting using crucibles containing concentrate and flux mixtures (e.g., potassium
or sodium carbonate, silica sand, and borax) at 1200 ◦C on charcoal, gas, or palm-kernel
shell fuel stoves. Smelting was advantageous over amalgamation since no Hg was used,
thereby safer, cost-effective and non-technical.

The studies above show that the potential of achieving a Hg-free mining environment
is apparent, provided efforts are tailored towards non-technical, cost-effective, time-efficient,
and robust technologies applicable in the rugged SSA ASGM terrain [144,150].

6. Conclusions and Future Perspectives

Aquatic Hg pollution is rising due to the rapid expansion and intensification of ASGM
in SSA. In general, West Africa reported the highest contribution to aquatic Hg pollution
(50.2%), followed by Central Africa (39.6%) and Southern Africa (9.6%), while Eastern
Africa contributed below 1%. Contamination of freshwater ecosystems was evident in
the ASGM regions, from surface and groundwater, stream sediments, bioaccumulation
in aquatic biota, and riparian vegetation. The subsequent environmental health risks to
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humans from fish consumption, water use, and exploitation of other water resources from
Hg-contaminated aquatic ecosystems were also significant.

From the MIA report synthesis, the following gaps need urgent action to enhance
the effective management of aquatic Hg pollution from ASGM in SSA: (1) limited docu-
mentation and information of mercury availability, quantification, use, and safe disposal;
(2) inadequate capacity and resources to monitor and regulate Hg-related ASGM; (3) unreg-
ulated and illegal Hg use in the gold mining sector; and (4) poor implementation and low
uptake of Hg-free alternative ASGM technologies.

We recommend the following options as a way forward for the management and
control of Hg pollution in aquatic ecosystems in SSA: (1) the regulation and reduction of
Hg use in ASGM through the development of alternative Hg-free gold mining technologies,
including the physical (gravity, magnetic, and flotation), hydrometallurgical (borax, potas-
sium carbonate, silica sand), and pyrometallurgical methods (smelting and roasting); (2) the
identification, development, and strengthening of environmental policies and interventions
to phase out the importation and use of Hg in the ASGM sector; for instance, the closure
of ASGM that use Hg should be accompanied by offering alternative Hg-free livelihoods
with an equal or better economic income; and (3) the implementation of health educational
programs within the existing health care structures to inform communities within the
ASGM regions of the negative health impacts of Hg use.

Implementing and enforcing regulations on the use of mercury in ASGM is essential.
Environmental health and public policies should be implemented to balance the socioeco-
nomic benefits and environmental impacts of ASGM in SSA. Governments and international
organisations are increasingly recognising the need for stricter regulations. For example,
the Minamata Convention aims to regulate and reduce Hg use, particularly in ASGM [43].
Encouraging the adoption of cleaner and more efficient gold extraction technologies is crucial.
For example, gravity concentration, cyanide leaching, or other methods that minimise or
eliminate the need for Hg can significantly reduce environmental and health impacts [144].

Furthermore, providing training and education to artisanal miners on the hazards of
mercury and alternative practices is essential. Educational training would empower ASGM
communities to make informed choices about sustainable and environmentally friendly
mining practices. There is a need to focus efforts on regulatory measures, community
engagement, and the promotion of cleaner technologies to mitigate the adverse effects
associated with Hg use in ASGM.
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Abstract: Investigation of the environmental occurrence and behavior of organophosphate esters
(OPEs) is very important and is becoming a hot topic in the academic community. In this study,
12 targeted OPEs in the water and sediment from 19 coastal tourist resorts in the Shandong Peninsula
in China were analyzed to show their concentrations, spatial variations, and potential ecological
risks. The results showed that the total concentrations of OPEs (ΣOPEs) were in the range of
18.52–3069.43 ng/L in the water and 3.20–568.76 ng/g in the sediment. The dominant OPEs in the
water and sediment were tris (2-chloroisopropyl) phosphate (TCIPP), tris (2-chloroethyl) phosphate
(TCEP), and triethyl phosphate (TEP). The OPE concentrations in the water were ranked as dry
season > normal season > wet season. The sewage treatment plants near tourist resorts were impor-
tant contributors to the level of OPEs in the water. Triphenyl phosphate (TPHP), tri-n-butyl phosphate
(TNBP), and resorcinol-bis(diphenyl)phosphate (RDP) had a relatively higher ecological risk than
other OPEs in the water samples. Industrial emissions might be the main source of OPEs in the
coastal tourist resorts of Shandong Peninsula in China. The results of this study verified that OPEs
occur in the water and sediment of coastal tourist resorts, and more attention should be given to the
existence of OPEs and the safety of aquatic environments near coastal tourist resorts.

Keywords: organophosphate esters; spatial distribution; ecological risk assessment; coastal tourist
resorts

1. Introduction

There are many types of organophosphate esters (OPEs), such as chlorinated (Cl)-OPEs,
alkyl-OPEs, aryl-OPEs, and brominated (Br)-OPEs [1,2]. They are used for a wide variety of
consumer goods, including plastics, foams, textiles, electronics, and construction materials.
Chlorinated OPEs are mostly utilized as flame retardants, whereas non-chlorinated OPEs
are predominantly used as plasticizers [3,4]. OPEs were initially employed due to the
restricted use of brominated flame retardants (BFRs), as they are more environmentally
friendly and cost-effective [5]. Furthermore, OPEs have also been extensively utilized
as additives [6]; they are often added to materials physically rather than combined with
chemical substances and can be released into the environment by volatilization, leaching,
and other similar methods [4]. OPEs are ubiquitous and widely distributed worldwide
in various environmental matrices, including in the air, dust [3], water [7], sediment [8],
soil [9], and biota [10]. In recent years, the focus of research has also shifted from investi-
gating their levels in various environmental media to their effects on human health [11,12].
Numerous studies have indicated that exposure to OPEs may have negative effects on
human health, such as reproductive inhibition, neurotoxicity, carcinogenicity, and en-
docrine disruption [13]. More thorough studies of their source and fate in the environment
are required.

Water 2023, 15, 3976. https://doi.org/10.3390/w15223976 https://www.mdpi.com/journal/water33



Water 2023, 15, 3976

OPEs have been found in surface water all around the world. Additional research
from the USA, Australia, and Europe, including Germany, Italy, and Spain, and Asia,
including South Korea and Japan, revealed that the mean value of OPEs was in the range
of 76–2230 ng/L, and Cl-OPEs were predominant [4]. OPEs have also been detected in
Chinese waters, primarily in Taihu Lake and the Pearl River Delta [14,15]. The water in
the Pearl River Delta contained in the range of 15–1790 ng/L, the water in Taihu Lake
had concentrations in the range of 166–1530 ng/L, and the sediment in the lake had
2.8–47.5 ng/g [14,15]. Eight OPEs have been found in European river sediments, ranging
from 2.5181 ng/g [16]. Fourteen OPEs were found in sediment from the North American
Great Lakes, ranging from 0.44 to 47.8 ng/g [17].

The warm temperature and curved coastline of the Shandong Peninsula have proven
ideal for the development of coastal tourism. Shandong Peninsula has the largest number
of national and provincial coastal tourist resorts in China. However, many environmental
issues have also arisen as a result of the rapid development of coastal tourist resorts.
It is essential to protect the environmental quality of water bodies during the further
development of coastal tourist resorts. Numerous man-made substances have been released
into the Bohai Sea as a result of extensive anthropogenic activity along the shore, including
urban and industrial refuse [18,19], which may have an immediate effect on human health.
Thus, a more in-depth investigation of the contamination status and bioaccumulation of
OPEs in the environment needs to be carried out.

The main purpose of this study was to (i) evaluate the presence and spatial distribution
of 12 OPEs in the surface water and sediment of coastal tourist resorts, (ii) quantify the
partitioning of OPEs between the water and sediment, (iii) analyze the seasonal correlations,
the correlation of OPE levels in surface water and sediment, and the correlation between
the physical and chemical characteristics of OPEs and their concentration, and (iv) identify
potential sources of target OPEs in sampling sites; and (v) evaluate the ecological risk posed
by OPEs around typical coastal tourist resorts in China.

2. Materials and Methods

2.1. Sample Collection

The water samples (S1–S19) were taken in August 2018 (wet season), December 2019
(dry season), and April 2019 (normal season) from coastal tourist resorts of the Shandong
Peninsula. The sediment sampling locations were the same as the water sampling locations
and were taken in December 2019. The sampling stations are shown in Figure 1 and
summarized in Tables S1 and S2.

Figure 1. Sampling location map in the coastal tourist resorts of Shandong Peninsula.
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A stainless-steel water sampler was used to simultaneously capture two 1 L water
samples at each location. Before laboratory analysis, all samples were stored in brown
glass jars that had been cleaned and then were refrigerated immediately after collection. To
obtain more representative samples, at each monitoring site, surface water samples were
taken five times and held in stainless-steel drums. Then, 1 L of the combined water sample
was obtained, transferred into PP bottles, and kept frozen for no longer than 12 h. Milli-Q
water in PP bottles was utilized as water sample blanks and was preserved identically
to the samples. Stainless-steel grab samplers with a 0.2 m2 surface area and 30 cm depth
were used to gather sediment samples. Utilizing a previously cleaned stainless-steel scoop,
sediment samples were collected and put into aluminum storage containers. All samples
were kept at a temperature of −20 ◦C until further analysis.

2.2. Chemicals and Materials

Twelve OPEs were purchased from the Sigma-Aldrich (St. Louis, MO, USA), for which
detailed information such as the CAS number, formula, molecular weight, Log Kow, Log
Koc, Log Pow, boiling point, water solubility, and application are listed in Tables S3 and S4.
Before instrumental analysis, isotopically labeled internal standards were purchased from
Toronto Research Chemicals Inc. in Canada and Sigma-Aldrich in the UK and were em-
ployed as stand-ins, as listed in Table S5. The target OPEs in this research were classified into
three categories, tris (2-chloroethyl) phosphate (TCEP), and tris (2-chloroisopropyl) phos-
phate (TCIPP), tris (1,3-dichloro-2-propyl) phosphate (TDCIPP), and tetrakis (2-chlorethyl)
dichloroisopentyl-diphosphate (V6) were classified as Cl-OPEs, bisphenol A diphenylphos-
phate (BDP), resorcinol-bis (diphenyl) phosphate (RDP), triphenyl phosphate (TPHP), and
tris (methylphenyl) phosphate (TMPP) were classified as aryl-OPEs, and tris (2-chloroethyl)
phosphate (TCEP), tripropyl phosphate (TPP), tris (2-butoxyethyl) phosphate (TBOPE),
and tri-n-butyl phosphate (TNBP) were classified as alkyl-OPEs. The purity of the standard
materials exceeded 98%.

The following chemicals were purchased from J.T. Baker (Darmstadt, Germany):
HPLC-grade acetonitrile, methanol, n-hexane, dichloromethane, and ethyl acetate. Formic
acid was purchased from CNW Technologies in Düsseldorf, Germany, with a purity of
99%. Oasis HLB cartridges were purchased (500 g, 6 mL) from Waters Company in the
Milford, MA, USA and were used to perform solid phase extraction. Glass fiber filters
were purchased (0.22 μm) from Whatman Company in the Maidstone, UK. Ultrapure water
(18.2 MΩ cm) was generated by the Milli-Q Advantage A10 system from the Millipore
Company in the Billerica, MA, USA.

2.3. Pretreatment and Analytical Procedure

The methods of water sample pretreatment were consistent with previous investiga-
tions [20–22]. The method was as follows: 1 L of water was first filtered through a 0.22 μm
glass fiber filter, after which 20 ng of standard substitution was added to the filtered sample
to remove solids such as particles. Next, using a vacuum pump, the sample was passed
slowly, at a speed of 3 mL/min, through an Oasis HLB cartridge, which was pretreated
with 6 mL of ultrapure water and 6 mL of methanol. Vacuum drying was carried out for
1 h after the extraction process to load the water sample completely. This was followed
by three additions of 2 mL of dichloromethane and ethyl acetate (1:1, v/v). Subsequently,
the eluate was concentrated to a dry state by passing through a gentle stream of nitrogen
to a fixed volume of 1 mL with methanol/ultrapure water (1:3). Finally, the extract was
transferred to a chromatography vial for instrumental analysis.

The technique outlined by [23] was used to extract OPEs from sediment. After being
freeze-dried, sediment samples were run through a 60-mesh filter (0.25 mm) before 20 ng
of the deuterated surrogate standard was added to 10 g of homogenous sediment and
cultured overnight. The stainless-steel extractor was filled with the mixture, which had
been prepared with 2 g of copper powder and 5 g of silica gel for purification. We used
n-hexane: acetone (1:1, v/v) rapid solvent extraction to extract the samples. According
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to [24], extraction conditions were as follows: the pressure extraction of 1500 psi, rinse
volume of 60%, continuous nitrogen purge time of 60 s, temperature extraction of 100 ◦C,
and two extraction cycles. The extracted substances were dried, and the remaining material
was restructured with 1 mL of methanol/ultrapure water (1:3) during analysis.

2.4. Instrumental Analysis

The OPE concentrations of water and sediment were determined by an ultra-performance
liquid chromatography-tandem mass spectrometry (UPLC-MS/MS) system (an Agilent
1290 Infinity LC with an ABSCIEX QTRAP 5500 triple quadruple mass spectrometry
LC-MS/MS system) (Agilent Technologies, Inc., Santa Clara, CA, USA). Comprehensive
information on the UPLC-MS/MS analytical parameters is given in Table S5. A Waters
Xbridge BEH-C18 XP column (4.6 mm × 100 mm, 2.5 μm) from Waters Corporation
(Milford, MA, USA) preserved by a Waters Xbridge BEH-C18 XP VanGuard pre-column
(2.1 mm × 5 mm, 2.5 μm) from Waters Corporation (Milford, MA, USA) was used to
analyze samples. Until they were injected into the instrument, the samples were kept at
10 ◦C. A partial loop was used to inject 10 μL of the sample once every 5 min at 45 ◦C.
In this study, ultrapure water acidified with 0.1% formic acid was used as mobile phase
A, and acetonitrile was used as mobile phase B for chromatographic separation. The
flow rate was set at 0.2 mL/min. The gradient progressed as follows: 40% B for 0.5 min;
40–80% B for 3.5 min; 80% B for 2.0 min; 80–100% B for 2.0 min; 100% B for 4.5 min, back
to 40% B for 1.0 min, and held for 2.5 min. A positive ion pattern electrospray ionization
(ESI +/−) source in multiple reaction monitoring (MRM) patterns was employed for mass
spectrometry analysis. In addition, the pH value and salinity of the water and total organic
content (TOC) were also measured, and the results are shown in Table S6.

2.5. Quality Assurance and Control

Blanks of field and laboratory procedures were conducted for each batch of analyses.
To reduce the probability of contamination, plastic and rubber materials were not used for
sampling, sample storage, or sample transportation. The glass was cleaned in methanol
and pure water before being baked for four hours at 450 ◦C. For the water samples, in
addition to the samples themselves, field blanks and laboratory procedure blanks were
calculated, and for the sediment samples, only laboratory procedure blanks were used.

Strict control measures were required during sample collection and analysis for quality
assurance. For any batch of analysis, field blank and laboratory procedure blank were
both required to be performed. All glassware used in the laboratory needs to be baked
overnight at 450 ◦C again to reduce contamination during the experiment. Vessels were
cleaned three times with ultrapure water, acetone, and ethyl acetate prior to the sample-
collection procedure. The findings showed that there was background contamination.
TEP, TNBP, TCIPP, TCEP, and TDCIPP were the primary OPEs with background concen-
trations in the field blanks for the water samples, as indicated in Table S7. Additionally,
TBOPE, TEP, TDCIPP, and TCIPP were found in lab-related blanks. Background contam-
ination of sediment samples was rare. A combination of internal and external standard
methods was used in the analysis for quality control. The internal standards are given in
Table S5 and were added before instrumental analysis. The Marking Line, encompassing
6 concentrations with correlation coefficients higher than 0.993, was obtained to quantify
the target compounds. The concentrations corresponding to signal/noise ratios of 3 and 10,
respectively, were designated as the limit of detection (LOD) and the limit of quantification
(LOQ) [20]. The average blank plus the triple standard deviation of the procedure blanks
was used to define the LOD of a chemical [25]. The LOQ was the analyte concentration
that corresponded to the sample blank value plus 10 standard deviations [25]. The LODs of
target OPEs in sediment and water were in the range of 0.01–0.32 ng/g and 0.01–0.35 ng/L,
respectively. The LOQs of target OPEs in water and sediment were between 0.02–0.51 ng/L
and 0.01–0.67 ng/g, respectively. To evaluate the extraction rates and procedures, known
concentrations of the 12 OPEs standards and surrogate standards were generated con-
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currently with the genuine samples and were introduced into the blank samples prior
to extraction. Before conducting instrumental analysis using the recovery determination
method, the inter-standard chemicals specified in Table S8 were added to the samples
for quantization. For water and sediment, the recovery of the 12 OPEs was 70–112% and
61–112%, respectively.

2.6. Datum Analysis

The pollutant distribution between water and sediment, particularly through sec-
ondary releases of organic contaminants from sediments, was assumed to have a substan-
tial effect on the quality of the aquatic environment [26,27]. Therefore, the distribution
coefficient (Kd) of OPEs between water and sediment needed to be calculated. A significant
factor that modifies the affinity of OPE molecules for sorbents is the amount of organic
carbon in the substance [28,29]. Therefore, the normalized organic carbon/water partition
coefficient (Koc) of the OPEs needed to be calculated.

Kd = (Cs × 1000)/Cw

Koc = (Kd × 100)/TOC

Kd was utilized to examine how OPEs transformed between the water and sediment
in the tourist vacation districts of the Shandong Peninsula. Koc was calculated from the
values of Kd and TOC. TOC was the percentage of organic carbon in the sediment (%).

In the correlation analysis, SPSS 16.0 (SPSS Inc., Chicago, IL, USA) and Origin2021
(OriginLab Inc., Northampton, MA, USA) were used to perform the correlation analysis
and principal component analysis (PCA). The correlation analysis included the correlation
between the scientific properties of the 12 OPEs and their concentrations, the correlation
between seasons, and the correlation of the OPE concentrations in surface water and
sediment. In the PCA study, the eigenvalue had to be bigger than 1 to meet the PC
extraction criteria.

2.7. Ecological Risk Assessment

According to some previous studies [7,24], the risk evaluation was based on the risk
quotient (RQ), which was calculated by the measured environmental concentration (MEC).
The MEC for individual OPE derived from the data of measurement was the average
concentration. In the current investigation, the median effective concentration (EC50) and
median lethal concentration (LC50) obtained from [30] were used to define the predicted
no-effect concentration (PNEC). Three trophic levels (fish, algae, and aquatic invertebrates)
were taken into consideration for the examination of the RQ values of the OPEs. The
following equations were used to determine the RQ values of the OPEs [31]:

RQ = MEC/PNEC

PNEC = EC(L)50/AF

where AF represents an assessment factor of 1000 when short-term toxicity data are used to
derive PNEC [30].

The OPEs represented no ecological risk when the RQ was less than 0.01. OPEs
exhibited a low risk when 0.01 ≤ RQ < 0.10. OPEs exhibited a moderate risk when
0.10 ≤ RQ < 1. OPEs exhibited a high risk when RQ ≥ 1 [32].

Since it was uncommon for a sample to contain a single pollutant, the ecotoxicological
impact of OPE mixes was evaluated in accordance with the concentration-added effects [33].
The following equations were used to determine the RQ values of the mixtures:

RQmix,algae = ∑n
i=1

MECi
EC(L)50i, algae

× AF
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RQmix,aquatic invertebrate = ∑n
i=1

MECi
EC(L)50i,aquatic invertebrate

× AF

RQmix, f ish = ∑n
i=1

MECi
EC(L)50i, f ish

× AF

The RQ values of mixes in water samples for fish, algae, and aquatic invertebrates were
represented by the RQmix,fish, RQmix,algae, and RQmix,aquatic invertebrates, respectively. The com-
pound concentration in the mixed water samples was called the MEC. The median effective
(deadly) concentrations of the ingredients in mixed samples of fish, algae, and aquatic
invertebrates were EC(L)50i,fish, EC(L)50i,algae, and EC(L)50i,aquatic invertebrates, respectively.

Additionally, based on sediment (marine water) PNEC and marine water PNEC from
the previous study [30], an ecological risk assessment for the 12 OPEs was also carried out.

2.8. Data Analysis

Statistical analyses of this study were conducted with IBM SPSS Statistics v20. Students’
t-test was used to assess the variance of the OPE concentrations and partition coefficients
at different sampling stations. Principal component analysis (PCA) was used with the
software SIMCA 13.0 to investigate possible sources of OPEs.

3. Results and Discussion

3.1. Concentration and Composition of OPEs in the Surface Water

The OPEs detected in surface water from coastal tourist resorts in the Shandong
Peninsula are shown in Figure 2, and the concentration information is summarized in
Table S9. All target OPEs were detected in surface water, demonstrating their prevalence in
an aquatic environment. The aggregate concentrations of the 12 OPEs ranged from 18.52 to
3069.43 ng/L, with an average value of 561.39 ng/L. The majority of the OPEs had a high
detection frequency (DF); their DFs were in the range of 26–100%. In all water samples,
higher concentrations of Cl-OPEs and alkyl-OPEs were found in comparison to aryl-OPEs.
However, the concentration of TPP was much lower. The ∑OPE concentrations in surface
water were 3744.68 ng/L (the maximum value was 361.42 ng/L, the minimum value
was 48.37 ng/L, and the average value was 197.09 ng/L), 2028.63 ng/L (the maximum
value was 210.07 ng/L, the minimum value was 26.38 ng/L, and the average value was
106.77 ng/L), and 693.32 ng/L (the maximum value was 105.34 ng/L, the minimum value
was 14.02 ng/L, and the average value was 50.70 ng/L) during the dry, normal, and wet
season, respectively.

The concentration range of Cl-OPEs, alkyl-OPEs, and aryl-OPEs during the dry season
was 0.94–204.53, 0.13–77.47, and 0.28–10.51 ng/L, respectively. The concentration range of
Cl-OPEs, alkyl-OPEs, and aryl-OPEs during the normal season was 0.34–98.66, 0.33–98.66,
and 0.10–4.66 ng/L, respectively. The concentration range of Cl-OPEs, alkyl-OPEs, and aryl-
OPEs during the wet season was 0.11–66.24, 0.18–26.20, and 0.17–2.16 ng/L, respectively.
These results revealed that the levels of all OPEs exhibited obvious seasonal variations,
showing the highest level in the dry season and the lowest level in the wet season. Seasonal
variations of OPEs in the present study were different from the results observed by a
previous study that found organic contaminants in the wet season were generally higher
than in other seasons because of rainfall erosion [34]. In this study, the high river flow
and the heavy rainfall in the wet season might decrease the concentrations of OPEs in
water [21]. The correlation analysis of OPE concentrations in the three seasons is shown in
Figure S1. The different compositions and temporal fluctuations of the target OPEs can be
seen. However, some compounds, such as TPP and all aryl-OPEs (TPHP, TMPP, BDP, and
RDP), were not detectable in the wet season, which might be led by the water dilution or
the solar irradiation degradation in the wet season [35].
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Figure 2. The concentrations of OPEs in surface water from coastal tourist resorts.

The percentage of OPEs varied from season to season. The percentage of target OPEs
in surface water for each of the three seasons is shown in Figure 3. Cl-OPEs were the
dominant compound in the water samples, while the content of alkyl-OPEs was lower, and
the aryl-OPE occurred the least. Cl-OPEs accounted for 64.5%, 57.9%, and 63.4% of the
total concentration during the dry, normal and wet seasons, respectively. Likewise, the
alkyl-OPEs were accounting for 30.8%, 38.2%, and 34.6%, respectively. Aryl-OPE accounted
for 4.7%, 3.9%, and 2.0%, respectively. Therefore, the percentages of the three types of
OPEs were ranked as Cl-OPEs > alkyl-OPEs > aryl-OPEs across seasons. These results may
have been related to the fact that Cl-OPEs are persistent, with a half-life of 8.6–21.3, with
higher water solubility (Cwsat) and lower octanol-water partitioning coefficients (Kow). In
addition, in the surface water of the Shandong Peninsula, substantial amounts of TCIPP
are typically found. This might be related to the fact that TCIPP is widely used in the
production of polyurethane foam and polyvinyl chloride (PVC) plastic as an important
additive. Moreover, the high water solubility of TCEP (7000 mg/L) and TCIPP (1600 mg/L)
might facilitate their migration with runoff and diffusion into surface water.

The average levels of OPEs observed in this study were compared with other regions
in the world, such as Asia, Europe, and North America. The OPE concentration in this
study was often lower than at the coast near Dalian [36] and the Yellow Sea [37], especially
the Northern Yellow Sea [38], and was below the value of the East China Sea [38], Northern
South China Sea [38], Pearl River Estuary [39], Greater Bay area [40], Hong Kong [14],
Tokyo Bay [14], Thermaikos Gulf [41], Marseille Bay [42], and San Francisco Bay [43]. These
results implied that the water in the coastal tourist resorts of the Shandong Peninsula
in China contained low levels of OPEs. However, high levels of OPEs or some of their
homologs were observed in the water of some resorts. Because coastal tourism resorts have
higher requirements for seawater quality, the quality monitoring of the water coming from
the surrounding rivers should be strengthened.
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Figure 3. The percentage of OPE concentrations in the surface water during three seasons.

In conclusion, apparent temporal changes in OPEs were found in the seawater of
coastal tourist resorts in the Shandong Peninsula. The average concentrations of OPEs were
in the order of dry season > normal season > wet season. The average levels of the three
types of OPEs were ordered as Cl-OPEs > alkyl-OPEs > aryl-OPEs. TCIPP had the highest
level, and TPP exhibited the lowest level.

3.2. Concentrations and Composition of OPEs in Sediment

The concentration and DF of OPEs in sediment from coastal tourist resorts in the Shan-
dong Peninsula are shown in Figure 4, and the concentration information is summarized in
Table S10. All the target OPEs, with DF values ranging from 53% to 100%, were discovered
in sediments. Individual OPEs for TCEP, TCIPP, TDCIPP, TEP, TNBP, TBOEP, TPP, and
RDP had the highest DF (75–100%), followed by TPHP, TMPP, and BDP (60–75%). The
DF of V6 was under 55%. In comparison to aryl-OPEs, Cl-OPEs, and alkyl-OPEs were
generally found more often. Cl-OPEs accounted for the highest level of OPEs in sediment,
at 62.7% of all OPEs, followed by alkyl-OPEs (31.7%) and aryl-OPEs (5.6%). The most
prevalent substances in sediment were TCIPP and TEP; together, they accounted for nearly
71% of the ∑OPE concentrations. Compared to alkyl-OPEs and aryl-OPEs, Cl-OPEs were
generally more commonly found due to increased usage or in relation to the TOC content
and salinity in the sediments of the coastal areas. The Pearson correlation analysis revealed
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that TCEP, TEP, TPHP, and TMPP were correlated with TOC (p ≤ 0.05); V6, TNBP, and TPP
were negatively correlated with TOC (p ≤ 0.05); and the others were not correlated with
TOC (p ≥ 0.05). In addition, we found that TPHP, TMPP, and TDCIPP were significantly
correlated with salinity (p ≤ 0.05), BDP was correlated with salinity but not significantly
(p ≤ 0.05), TCIPP and RDP were negatively correlated with salinity, and the others were not
correlated with salinity (p ≥ 0.05). This suggested that the content of OPEs in the sediment
was not significantly influenced by TOC and salinity but mainly by the emission source and
their transport in water. The correlation of OPE concentrations in sediment with salinity
and TOC is displayed in Figure S2.

Figure 4. The concentrations of OPEs in sediment from the coastal tourist resorts.

During the dry season, the range of ∑OPE concentration values in sediments from
the coastal tourist resorts of the Shandong Peninsula was 3.20–568.76 ng/g, with a me-
dian and average of 26.89 ng/g and 107.95 ng/g. TCIPP and TEP had higher average
concentrations at 29.93 and 18.36 ng/g, respectively. Other OPEs had mean values less
than 10 ng/g. Cl-OPEs levels were the highest among the three types of OPEs, with a mean
of 42.78 ng/g. Alkyl-OPE and aryl-OPE were the next highest, with a mean of 21.6 and
3.8 ng/g, respectively. The content of OPEs in the sediment was significantly less than in
the water.

Compared with other coastal sediments of Asia, the OPE content of the Shandong
Peninsula was lower than that of the Liao River Estuary [44], Yellow River Estuary [45],
Jiaozhou Bay [29], Pearl River Delta [46], and Korean coast [47]. The OPE content of this
study was higher than the Yellow Sea, except for V6, which at 0.17 ng/g was lower than
in the Yellow Sea [48]. On the contrary, the OPE content of this study was lower than the
East China Sea, except for TCIPP at 29.93 ng/g [49]. Compared with the coastal sediments
of Europe, the OPE content of this study was lower than the Gulf of Lion [50]. The OPE
content of this study was lower than in Marseille Bay, except TCIPP at 29.93 ng/g [42].
Compared with the coastal sediments of North America, the OPE content of this study was
lower than the Palos Verdes Shelf (PVS), US [51].
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In conclusion, the order of the different types of OPE concentrations in the sediment of
the Shandong Peninsula coastal tourist resorts from high to low was Cl-OPEs, alkyl-OPEs,
and aryl-OPEs, which was the same as the OPE concentrations in surface water. TCIPP
levels were the highest, and V6 levels were the lowest.

3.3. Spatial Distribution of OPEs in the Shandong Coastal Tourist Resorts

For OPEs in the water of various vacation resorts across the three seasons, apparent
spatial differences were also noted, as shown in Figure 5. For instance, the OPE levels of
sites S13, S16, and S17 ranged from more than 325 ng/L during the dry season to around
200 ng/L during the normal season and less than 106 ng/L during the wet season. The
highest OPE concentration was recorded at the S16 site in Qingdao, at 361.42, 210.07, and
105.34 ng/L in the dry, normal, and wet seasons, respectively. The major OPE at site S16
was TCIPP, which had concentrations of 204.53, 98.66, and 66.24 ng/L in the dry, normal,
and wet seasons, respectively. Site S16 and S17 were located at the entrance to Jiaozhou
Bay, near the Yellow Sea. Qingdao, in Shandong Province, is a highly industrialized and
urbanized city with a thriving metallurgical industry, shipbuilding industry, print industry,
automotive, electroplate industry, battery, and machine manufacturing industry. Jiaozhou
Bay is affected by pollution discharges from Qingdao and its surrounding areas, resulting in
the high OPE concentrations at these two locations. Therefore, industrial emissions might
be the main factor leading to the high level of OPEs at site S16. During the three seasons,
Site S10 had the lowest concentration of OPEs. This location is surrounded by natural areas
and has a healthy ecological setting. It is far from urban centers and rarely suffers direct
damage from industrial pollutants. On the other hand, TCIPP was the predominant OPE at
site S10, with concentrations of 17.30, 7.88, and 6.70 ng/L during the dry, normal, and wet
seasons, respectively. The concentrations at this site were obviously lower than at other
locations. In summary, the levels of OPEs in different water samples of tourism resorts
were significantly different. Tourist resorts that were more affected by nearby industrial
activities had higher concentrations of OPEs, while those that were farther away from
industrial areas had lower concentrations of OPEs. Therefore, residential activities and
industrial pollutant emissions from the cities surrounding tourist resorts were the key
factors determining OPE concentrations and high pollution levels.

During the dry season, apparent spatial variations for OPEs were also seen in the
sediment of several tourist resorts, as shown in Figure 5. For instance, the values of sites S1
and S14–S16 were higher than 100 ng/g during the dry season. Sites S5–S9, S12, and S17
were between 55 ng/g and 100 ng/g, and S2–S4, S10–S11, S13, and S18–S19 were below
55 ng/g. Laizhou Bay is an important bay in Bohai Bay, and its water has poor self-
purification ability, resulting in the easy accumulation of OPEs in the coastal sediments.
Therefore, the ΣOPE value was high in sediments at site S1. Sites S15 and S16 are in
Qingdao, with concentrations of 120.29 and 130.96 ng/g, respectively. Sites S15 and S16
are located on both sides of the entrance to Jiaozhou Bay, which serves as a discharge area
for pollutants from Qingdao. Therefore, the highly urbanized and industrialized setting in
Qingdao was the major cause of the high values of ΣOPEs in the sediment of S15 and S16.
The OPE levels of water at sites S15 and S16 were also higher than other sites. Therefore,
the migration of OPEs from water to sediment may also be an important reason for the
high concentration of OPEs in sediment. Site S10 is in Weihai, where the concentration was
22.76 ng/g, which was the only value below 30 ng/g. The site is surrounded by natural
areas and is ecologically sound. It is removed from urban centers and is hardly ever directly
affected by industrial pollutants. The data showed that the concentration in the sediment
was basically the same as that in the water. This phenomenon might have been related to
the high OPE content in the surface water of the tourist resorts, indicating that the OPE
contents in the surface water have a direct impact on the sediment content. The correlation
of the OPE concentration in the water and sediment during the dry season is shown in
Figure S2.
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In conclusion, the highest OPEs in surface water and sediment were detected at S16
in Qingdao. The high levels of OPEs in the coastal water and sediment of Qingdao were
related to the degree of urbanization and industrialization. The OPE concentrations of
the tourist resorts that were most affected by nearby industry were higher, while the OPE
concentrations of the tourist resorts that were far away from the industrial areas were lower.
Therefore, the emission of industrial and domestic pollutants from nearby cities was the
main factor affecting the content of OPEs near tourist resorts. These findings showed that
urban activities have a significant influence on OPE spatial distribution.

Figure 5. Cont.
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Figure 5. Spatial distribution of the three OPEs in the surface water during the dry season (a), normal
season (b), wet season (c), and in the sediment (d).

TCIPP was the primary substance in the sediment of Shandong Peninsula coastal
tourist resorts, accounting for 59.37%, 43.90%, and 49.97% of the total concentration of
OPEs at sites S14–S16, respectively. TEP was the major substance in the sediment of site S1,
accounting for up to 30.31%. The content of TCIPP in the sediments at many points was
higher than TEP and was the highest content compound.

In addition, TCIPP and TNBP were predominant in water, accounting for 47.2% and
16.2% in the dry season, 39.6% and 29.8% in the normal season, and 51.7% and 18.6% in the
wet season, respectively. There was a high TNBP content in the water samples. This may
have been due to the impact of intensive mining activities in coastal cities. TNBP is widely
used as an additive in hydraulic oils, lubricants for machinery and equipment, etc. [1].
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TCIPP and TEP were predominant in sediment, accounting for 43.91% and 26.93%. TCIPP
accounted for up to 59.37%, 43.90%, and 49.97% of the total concentration of OPEs at sites
S14–S16, respectively. TEP accounted for up to 30.31% at site S1. A similar trend of regional
variation in the water samples revealed that one of the major sources of sediment OPEs
was OPE deposition in coastal water.

3.4. Water-Sediment Partitioning of OPEs

The Log Kd was calculated to assess the behavior of OPEs in partitioning between
water and sediment, and the Log Koc was calculated to evaluate the absorption of OPEs
in sediment. The results are displayed in Figure 6. OPEs absorbed by sediments may
be resuspended in coastal waters because of environmental disturbance. Therefore, in
aquatic environments, OPEs can either be derived from or converge to the sediment. The
Kd and Koc of OPEs in the solid/liquid phase were important parameters in terms of
their transformation and migration in the environment. In soils with various structures
and levels of organic carbon [52], comparing the Koc of various OPEs showed that the
adsorption of OPEs can be affected by the amount of soil organic carbon. The correlation of
other physical and chemical properties, such as soil organic carbon, with the concentration
of OPEs, is shown in Figure S3.

 
Figure 6. Correlations between ΣOPEs and Log Koc in the sediment.

The mean value of the Log Kd of OPEs ranged from 1.53 to 3.25, and the OPE with
the highest Log Kd value was TEP. Except for V6 (1.67) and TBOEP (1.53), the Log Kd
values of the OPEs were all higher than 2.0, indicating that the sediment generally had
a strong sorption capacity for these compounds. The strongest sorption capacity was for
TEP, and the weakest sorption capacity was for V6 and TBOEP. TEP was absorbed on
sediment more readily than other OPEs, and V6 and TBOEP were difficult to absorb on
sediment. The mean value of the Log Koc of OPEs ranged from 1.29 to 4.04. The OPE
with the highest Log Koc value was TEP, and the lowest Log Koc value was V6. Koc was
shown to be inversely correlated with the overall amount of soil organic carbon, indicating
that high levels of organic carbon may specifically increase the mobility of certain OPEs
in soil [27]. In other words, the Koc value increased with a decreasing TOC value, and
the Log Koc value decreased with an increasing Koc value. For the same OPEs, there
was a higher migration rate of sediment OPEs or a lower content in sediment and higher
content in water. Thus, TEP was the only type of OPE that was more abundant in sediment
than water.
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3.5. Source Identification

The PCA of 12 OPEs was determined to indicate potential sources of OPEs in Shan-
dong Peninsula coastal tourist resorts. Two principal components (PCs) were identified,
accounting for 71.1% of the overall variance, as displayed in Figure 7a, with PC1 and PC2
obtaining respective weights of 53.8% and 17.3%. Except for TBOEP and TCIPP, all OPEs
were close to the x-axis between the first and fourth quadrants, which indicated that TBOEP
and TCIPP were not similar to the other OPE sources. Large loadings of V6, RDP, TEP,
TDCIPP, TPP, TPHP, and BDP were seen in PC1. Previous research showed that TDCIPP
and V6 in the environment typically come from discarded furniture and appliances, in-
cluding building supplies, cotton drapes, and hardwood furniture [45]. Thermoplastics
commonly contain TMPP, TPP, and TPHP [53], and electronic recycling factories are the
main environmental sources [54]. Considering the above, waste recycling facilities were
identified as OPE source 1.

Figure 7. The variables-PCA and individuals-PCA of OPEs during three seasons.

For Cl-OPEs in the water of coastal tourist resorts, source 2 was heavily weighted.
TCIPP and TBOEP were of similar origin, and the TCIPP concentration was the highest.
The prime source of Cl-OPEs in the aquatic environment was wastewater discharge from
sewage treatment plants (STP) due to the lower removal rate of Cl-OPEs [4,6,55]. TBOEP
and TNBP, two non-Cl-OPEs, were frequently found in STP effluents [56,57]. Because of the
sewage emissions and surface water corrosion, PC1 was identified as a municipal source.

RDP and TEP showed a high association, suggesting the same source. The high TEP
levels in this sampling region were in heavy industrial cities like Qingdao. Therefore, it
was important to note the release of OPEs from industry in Qingdao. TEP is a common
industrial catalyst that contributes significantly to environmental pollution when released
from chemical facilities [53]. Numerous coastal tourist resorts are in proximity to industrial
cities heavily influenced by the chemical industry. Therefore, source 3 was the chemical
industry, and PC2 served as a hub for extensive industries. OPEs in surface water could
have originated from a variety of sources, including STP wastewater, waste recycling plants,
large-scale chemical industries, textile manufacturing, and plastic processing, after taking
all the aforementioned factors into consideration.

As seen in Figure 7b, PC1 and PC2 identified the locations of sampling that had
adequate seasonal variation. Two major components were identified, accounting for 79.6%
of the total variance, with 63.1% and 13.8% for PC1 and PC2, respectively. The PC1 and PC2
results for the samples gathered during the wet season scored negatively. Most samples
collected in the dry and normal seasons scored positively on PC1.
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3.6. Ecological Risk Assessment of OPEs

Three trophic-level creatures (fish, algae, and aquatic invertebrates) were chosen to
investigate the RQ of mixed and individual OPEs. RQs for 12 OPEs were higher during the
dry season than the normal and wet seasons, according to the cluster analysis. Throughout
the three seasons, no OPEs presented a moderate or high risk (RQ ≥ 0.1) to fish, algae, or
aquatic invertebrates. The highest RQs for the three trophic levels for individual OPEs
were often less than 0.01, demonstrating that there was no ecological risk for individual
OPEs. However, compared to other OPEs, TPHP (dry and normal season), TNBP (dry
and normal season), and RDP (dry season) posed a comparatively greater danger to these
trophic levels, even though the RQs were typically greater than 0.01 and the ecological risk
was low. The EC(L)50 values of TPP and RDP for the three trophic levels, TCEP and TNBP
for fish and TPHP for algae, were not found, so we did not analyze these items specifically
here. In general, the ecological risk of the OPEs tended to be low.

Figure 8 displays the RQ value of OPEs at 19 sites. During the dry season, sites S2 and
S10 had no ecological risk, sites S8 and S14 were moderate risk, and the others were low
risk. During the normal season, sites S2, S4, S5, S9, S10, and S12 had no ecological risk, and
the others were low risk. In the wet season, sites S1, S8, and S14 were low risk, and the
others were no risk.

 

Figure 8. RQ value of OPEs in water at each sampling location during the dry season (a), normal
season (b), wet season (c), and in sediment (d).
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Another approach to ecological risk assessment was used in this study: direct calcula-
tion of RQ values based on the marine water PNEC [30]. The analysis revealed that all OPEs
posed no ecological risk during the three seasons, except TDCIPP, TPHP, and BDP. TDCIPP
had moderate ecological risk during the dry and normal seasons and low ecological risk
during the wet season. TPHP had low ecological risk during the dry and normal seasons
and no ecological risk during the wet season. BDP was a high ecological risk during the
dry season and a medium risk during the normal and wet seasons. The values of marine
water PNEC for TCEP, TPP, and RDP during the three seasons were not found, so we did
not analyze these items here. In general, the target OPEs posed no ecological risk. The
outcome of this analysis method was consistent with the aforementioned analytical results,
based on EC(L)50 values for the three trophic levels (fish, algae, and aquatic invertebrates).

For sediment, TCIPP and TPHP showed moderate risk, and the rest of the substances
were moderate or low risk. The NCEP of TCEP, TPP, and RDP were not found, so their
ecological risk level in sediment was not analyzed here. In terms of sites, the RQ values
were between 0.1 and 1, except for S10, S11, and S18, where the RQ values were between
0.01 and 0.1, indicating that only three sites were at low ecological risk, while the others
were at moderate ecological risk.

4. Conclusions

This study is the first to investigate the spatiotemporal variations, partition character-
istics, potential sources, and ecological risk of OPEs in the water and sediment of coastal
tourist resorts in China. The results indicate that OPEs were widespread in the water
and sediment of coastal tourist resorts. Cl-OPEs were the dominant type, and TCIPP was
dominant in both the water and sediment. The water exhibited the highest concentrations
of ∑OPEs during the dry season. Therefore, tourism activities in coastal tourist resorts
should not be carried out during the dry season. Higher concentrations of ∑OPEs were
observed in the study areas with denser populations and developed industry/agriculture,
implying that human activities had influenced their spatial distribution. The LogKow of
OPEs might have an important impact on the partition between water and sediment via
the adsorption process. The PCA results verified that STP effluent may be an important
source of OPEs in the water and sediment of coastal tourist resorts. The results show that
OPEs presented a generally low degree of risk in the water of coastal tourist resorts of the
Shandong Peninsula. Nevertheless, higher concentrations of OPEs in the water and sedi-
ment of some coastal tourist resorts were detected. Therefore, it is necessary to strengthen
the environmental management of coastal tourist resorts in the future, as tourism demands
high environmental quality. For example, a real-time monitoring system for water quality
in tourist resorts should be established, and the water quality management of surrounding
sewage plants and rivers entering the sea should be strengthened. Since the current sewage
treatment technology of STPs pays little attention to the removal of organic pollutants,
future studies should consider this.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/w15223976/s1, Table S1. List of the coastal tourist resorts in
Shandong Province; Table S2. Sampling coordinates about surface water during the dry, normal, and
wet seasons from coastal tourist resorts of Shandong Peninsula; Table S3. The name, abbreviation and
properties of the most common in the present study; Table S4. The application of organophosphate
esters (OPEs); Table S5. Optimized MS/MS parameters for the targeted OPEs and their surrogate
standards in the MRM mode; Table S6. Some characteristics of the water and sediment; Table S7.
The recoveries and concentrations of targeted OPEs in blanks; Table S8. Coefficient of association,
recovery, method limit of detections (LOD) and method limit of quantifications (LOQ) of the target
OPEs; Table S9. Concentration range and the detection frequencies of each OPE in the water during
the dry, normal and wet season (ng/L); Table S10. Concentration range and the detection frequencies
of each OPE in the sediment during the dry season (ng/g); Figure S1. Correlation of OPEs concentra-
tion in surface water between three seasons; Figure S2. Correlation of OPEs concentration in water
and sediment during dry season and correlation of OPEs concentration in sediment with salinity
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and TOC; Figure S3. Correlation between the concentration of OPEs in water and sediment and their
physical and chemical properties.
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Abstract: The introduction of contaminants of emerging concern (CECs) into the environment has
raised concerns due to the significant risks they pose to both ecosystems and human health. In
this sys-tematic review, we investigate research trends on CECs worldwide over the past 10 years,
focus-ing on four critical aspects: (i) the identification and distribution of typical CECs across various
media, (ii) the sources and environmental behavior of CECs, (iii) the implications of CECs expo-sure
on human health, and (iv) risk assessment and control measures for CECs. The review re-veals a
comprehensive understanding of the typical types and distribution of CECs in different environmental
media, shedding light on their prevalence and potential impact on ecosystems. Furthermore, insights
into the sources and behavior of CECs provide crucial information for de-vising effective strategies
to mitigate their release into the environment. By examining the health effects of EC exposure, we
highlight the importance of considering potential risks to human well-being. This aspect of the review
emphasizes the significance of monitoring and managing CECs to safeguard public health. The
review also synthesizes the advancements in risk assessment methodologies and control measures
for CECs, which are essential for developing comprehensive regulations and guidelines to manage
these contaminants effectively. Drawing from the findings, we identify future research directions for
CECs in aquatic environments.

Keywords: contaminants of emerging concern; POPs; microplastics; endocrine disruptor; antibiotic

1. Introduction

Contaminants of emerging concern (CECs) are a group of pollutants that have recently
raised concerns due to their potential ecological and human health-related risks. Many
of these contaminants have not yet been included in existing management protocols, and
current efforts to prevent and mitigate their risks are insufficient. CECs often exhibit
widespread distribution, unclear baseline levels, and host a wide array of unforeseen
dangers [1,2]. In 2003, Jerald Schnoor, a member of the American Academy of Engineering,
proposed the concept of “CECs” and stated that the environmental occurrence of any
synthetic or naturally occurring chemicals and microorganisms could cause significant
toxic effects and pose health hazards [3]. The number of chemicals registered by the
American Chemical Society’s global Chemical Abstracts Service exceeds 142 million [4].
According to a report developed by the United Nations Environment Program and the
International Council of Chemical Associations, over 350,000 chemicals and mixtures are
used commercially worldwide [5].
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To control CECs, it is crucial to conduct investigations, monitoring, and environmen-
tal risk assessments for contaminants such as persistent organic pollutants (POPs) and
endocrine disruptors. Such efforts are important for establishing and enhancing environ-
mental risk management. This can strengthen our management of pollution sources, help
create lists of CECs under control, and advance environmental risk management measures
in the context of prohibition, restriction, and emission limitation. On 4 May 2022, China
proposed an action plan for the control of CECs with the aim of completing environmental
risk screenings for high-yield and high-usage chemical substances by 2025, along with
conducting environmental risk assessments for a batch of chemical substances. The man-
agement of CECs is closely tied to social security, and without increased control efforts, it
could hinder industrial upgrades and impede sustainable development. Consequently, the
identification of CECs and the enhancement of product access conditions may have short-
term impacts on certain industries. However, in the long run, it can drive and facilitate the
entire industry’s green transformation, thereby reducing the harmful effects of CECs on
human health.

Research on CECs can be categorized into four aspects: types and distribution, sources
and environmental behaviors, exposure and health effects, and risk assessment. At present,
the CECs of global concern include POPs controlled by international conventions, en-
docrine disruptors, antibiotics, and microplastics. Analyzing the research hotspots and
evolutionary trends of these CECs has shed light on their dynamics. Moreover, many
studies have explored the relationships and distributions of these four typical CECs in
different countries worldwide. These findings provide valuable theoretical insights for
the screening, treatment, and control of CECs, allowing for more effective strategies to
safeguard the environment and human health.

2. Types and Distribution of CECs

CECs are a heterogeneous set of pollutants that includes pharmaceuticals, personal
care products, insecticides, flame retardants, industrial additives, surfactants, plasticizers,
and nanomaterials [6–8] Based on the current global research trends on CECs, the CECs
discussed in this study can be classified as follows: POPs (Persistent Organic Pollutants),
antibiotics, EDCs (Endocrine-Disrupting Chemicals), and microplastics. With the wide
application of chemicals in industry, agriculture, etc., the introduction of CECs into the
environment is inevitable. Although we know some of the chemical structures of CECs,
this is only the tip of the iceberg, and there is limited understanding of their structure and
content and even less of their toxicity [9,10]. Compared to other nations, China’s CECs pose
more critical pollutant crises. China is the largest user of antibiotics in the world, with a total
production of 248,000 tons, of which 52 percent is used in animals and 48 percent in humans,
according to a 2013 survey [11]. The average concentration of antibiotics in China’s rivers is
303 ng/L, which is three times that of the United States and 15 times that of Germany. And
the density of antibiotic discharge in the eastern basin is more than six times that of the
western basin [12–15]. Furthermore, the abundance of microplastics detected in freshwater
is 2–3 times higher than that reported in other nations [16,17]. In the five major river basins
in China, the ecological risks caused by antibiotics are ranked in descending order: Jianghan
Plain > Yangtze River Delta > Chaohu River Basin > Yellow River Delta > Pearl River Delta,
and the main types of antibiotic pollution are sulfamethoxazole and erythromycin [18].

In developing countries, a higher quantity of CECs is released into the environment
due to inadequate post-treatment of pollutants. For instance, in Brazilian rivers, the concen-
tration of acetylsalicylic acid was measured at 20,960 ng/L, caffeine at 14,955 ng/L, and the
concentration of acetaminophen exceeded 30,000 ng/L [19]. India is one of the largest phar-
maceutical suppliers globally, accounting for 20% of global exports [20]. However, due to
the lack of CECs management strategies, the concentrations of certain antibiotics in Indian
wastewater treatment plants were found to be 40 times higher than in European, Aus-
tralian, and other North American countries [21]. CECs are typically detected in densely
populated catchment areas, often associated with wastewater treatment plants [22,23].
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However, CECs have also been found in rural areas far from known sources of pollution.
In the water and sediments of 21 sites in eight US national parks located in the northern
Colorado Plateau, CECs were detected, indicating that CECs can be transported through
atmospheric deposition to relatively pristine high-altitude and high-latitude regions [24].
Masoner et al. conducted CECs testing in 19 landfill sites across the United States, where
bisphenol A was the most detected CEC, and areas with higher levels of precipitation had
higher CEC concentrations in leachate compared to lower-precipitation areas [25]. Gao
et al. measured 15 types of organochlorine pesticides in Xiamen, China. Among them,
HCHs (hexachlorocyclohexane and isomers) showed an increasing trend with depth, while
the concentrations of DDT (dichlorodiphenyldichloroethane and its isomers) and OCPs
(organochlorine pesticides) decreased with depth, potentially due to the properties of
the contaminants [26]. In terms of horizontal distribution, heavier pollution was found
in Tong’an District and Xiang’an District, where irrigation was the primary cultivation
method, and higher pollution levels were observed in the northeastern part of Xiamen City,
possibly due to atmospheric transport and deposition in the region [26].

Moreover, CECs like tetrabromodiphenol A and its derivatives are commonly found
in drinking water, rivers, and lakes [27]. China’s sludge contains 749 pollutants across
35 categories, and a significant portion of these are CECs [28,29]. Unfortunately, these
chemicals not only affect the environment but also find their way into the human body
through bioaccumulation in the food chain, even reaching the bloodstream [30].

Based on the search conducted in the core database of Web of Science with a limited
retrieval time from 2013 to 2023, the following results were obtained for each search
term: (1) “Antibiotic” (Figure 1): 1646 articles retrieved; (2) “Persistent Organic Pollutants”
(Figure 2): 4902 articles retrieved; (3) “Microplastic” (Figure 3): 938 articles retrieved; and
(4) “Endocrine Disruptor” (Figure 4): 2957 articles retrieved. These numbers represent
the total count of articles related to each specific search term within the given time frame.
Please note that these figures may change as new research is published or as the database
is updated.

Figure 1. Co-occurrence map of keywords in studies on antibiotics environmental contamination
from 2013 to 2023.
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Figure 2. Keyword co-occurrence map of studies on POPs and environmental pollution from 2013
to 2023.

Figure 3. Keyword co-occurrence of research on microplastics and environmental pollution from
2013 to 2023.
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Figure 4. Co-occurrence of keywords in research on EDCs and environmental pollution from 2013
to 2023.

Over the past 10 years, research on antibiotics has mainly focused on sample types,
identification methods, environmental behaviors, pollution behavior, and the interaction
between antibiotic types and other related pollutants (such as those found in personal care
products and pharmaceuticals) (Figure 1). Mass spectrometry, liquid chromatography, and
solid-phase extraction were used to identify the antibiotics. The study samples mainly
included wastewater and aquatic environments (Figure 1). The research on antibiotics
has shown a trend towards multidisciplinary and integrated studies. Researchers no
longer focus solely on the drugs themselves, but also pay greater attention to the behavior
of antibiotics in the environment and their relationship with other pollutants. They are
increasingly interested in the interactions between different substances and are approaching
actual environmental conditions. This means that future research on antibiotics may
involve more interdisciplinary collaboration. Research on POPs has focused on their type,
identification methods, biohazards, and environmental impacts (Figure 2). Polychlorinated
biphenyls and organochlorine pesticides were the main POP types, accounting for more
than 30% of the total. Passive sampling, mass spectrometry, and stable isotope analysis
were used to identify the types and their environmental behaviors (Figure 2). In the case of
MPs (Figure 3), the research primarily focuses on the types of plastics, environmental media,
qualitative and quantitative characteristics, biological toxicity, composite pollution, and
environmental behavior. Through studies on the generation and decomposition of different
plastic types in the environment, the forms and migration behaviors of microplastics
in environmental media such as water, soil, and sediment, particle size, morphology,
concentration analysis of microplastics, toxic effects on organisms, composite pollution with
other pollutants, and environmental behavior processes of microplastics, a comprehensive
understanding of the sources, distribution characteristics, and environmental effects of
microplastics can be achieved. This helps to evaluate the ecological risks and develop
suitable management and control measures. The research on EDCs mainly focuses on
the types, identification methods, hazards and mechanisms, and environmental media
(Figure 4). Researchers identify and quantify endocrine-disrupting chemicals through
various techniques, such as chemical analysis, biological detection, molecular sieves, and
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mass spectrometry. They investigate the harm and potential carcinogenic risk effects of
endocrine disruptors on human reproductive, immune, and nervous systems. Currently,
research mainly focuses on endocrine disruptors in wastewater, and further studies are
needed to strengthen research on drinking water in order to better protect drinking water
hygiene and food safety.

3. Sources and Environmental Behavior of CECs

CiteSpace 6.2 was used for keyword co-occurrence analysis of the obtained literature
(Figure 5). In the field of microplastics, research clustering has mainly focused on the
ecological risks of polyvinyl chloride and plastic pollution over the past 10 years (Figure 5a).
In the past decade, many studies have focused on POPs contained in personal care prod-
ucts, polychlorinated biphenyls, and bisphenol A, as well as environmental disturbances
and endocrine disorders caused by POPs (Figure 5b). Recently, endocrine disruptors and
biochar-related processes have garnered a lot of attention in the context of research (Fig-
ure 5c). The main research on antibiotics focuses on the study of resistance genes, especially
in the context of adsorption and photocatalysis (Figure 5d).

Figure 5. Landscape view of each keyword from 2013 to 2023 ((a): microplastics; (b): POPs;
(c): EDCs; (d): antibiotics on the right side represents the cluster, and the smaller the antibiotics
number, the larger the cluster. Landscape view can be used to intuitively show the research hotspots
and evolutionary trajectory).

The production and use of toxic and harmful chemicals are the primary sources of
CECs [31,32]. CECs may originate from industrial waste, municipal waste, agricultural
waste, hospital, and laboratory wastewater [33]. They can enter the environment through
various point sources (i.e., industrial, municipal, and hospital wastewater treatment plants),
nonpoint sources (such as atmospheric deposition and stormwater runoff), or unexpected
scenarios [19,34,35]. For example, perfluorooctane sulfonyl compounds (PFOSs) are typical
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perfluorinated compounds mostly derived from textiles, leather antifouling coatings, semi-
conductor paper products, synthetic detergents, foam extinguishing agents, food additives,
pesticides, and cosmetics. PFOSs have been widely detected in environmental media and
the human body. Owing to the toxic effects of PFOSs, they were included in the Stockholm
Convention in 2009 and have been gradually banned in numerous countries.

CECs are released into the surrounding environment during the production, use,
and disposal of related products. For example, China’s plastic ocean waste in 2011 was
approximately 547–752,000 tons and it continued to expand at a rate of 4.55% per year until
2017, and then it had decreased to 257–353,000 tons by 2020 [36]. In the Hetao Plain of
Inner Mongolia, China, the agricultural film remains in the soil, and the residue coefficient
is as high as 40% [37,38]. CECs migrate, transform, agglomerate, degrade, and exhibit
other environmental behaviors in environmental media, which affect their return to the
environment. For example, water in the atmosphere inhibits the degradation of organophos-
phorus flame retardants caused by hydroxyl radicals [31]; perfluorooctanesulfonamides
are converted to PFOS in earthworms; and perfluorohexane sulfonic acid and perfluorobu-
tanesulfonate are converted in wheat [39]. Organophosphorus flame retardants exhibit
biomagnification effects during food chain transfers [40]. When exposed to a mixture of
o,p′-DDE and p,p′-DDE, the reduction in the ratio of estradiol to testosterone is greater
than that observed with individual exposures. Northern bobwhite survival rates were
lower when exposed to a mixture of TCDD and ethynyl estradiol or coumestrol compared
to individual chemical exposures [41]. Smaller microplastics (i.e., 500 nm) can exacerbate
the toxicity of POPs, where larger microplastics (30 μm) are less toxic, possibly due to
size-dependent interactions between microplastics and POPs [42]. However, research on
the effects of CECs mixtures is still in infancy, and current risk assessments are primarily
based on concentration addition, which may lead to inaccurate risk estimates [43].

Currently, the primary focus of CECs removal technologies is on upgrading wastew-
ater treatment plants. In line with this focus, membrane bioreactor (MBR) technology
has shown improved removal performance of CECs before disinfection in conventional
wastewater treatment plants [44,45]. In addition, activated carbon has demonstrated high
adsorption capacity for CECs removal, although it has drawbacks such as slow adsorption
kinetics and poor adsorption efficiency for hydrophilic pollutants [46,47]. Advanced oxi-
dation processes based on ozone oxidation, ultraviolet radiation, gamma radiation, and
electrooxidation have also been widely applied in CECs treatment [48–51].

CECs can persist in sediments for prolonged periods, resulting in the bioaccumulation
of CECs in benthic organisms. Since the benthic organisms are consumed by fish, this food-
web-driven bioaccumulation of CECs culminates in top predators having accumulated
CECs to concentrations several orders of magnitude higher than that of the surrounding
water [52,53]. The fate of CECs in soils may be influenced by interrelated processes [54].
Chemical substances with strong hydrophobicity or positive charges often exhibit high
adsorption capacity, thereby reducing their potential for biodegradation, long-range trans-
port, or plant accumulation [55–57]. Photodegradation of CECs represents a significant
non-biological transformation process. For instance, under aerobic conditions, the half-life
of bisphenol A in soil and sediment is estimated to be 3–37 days, whereas no degradation
was observed in anaerobic or hypoxic estuarine sediments during a 120-day incubation
experiment [58–60]. Microorganisms in soils also have the capability to degrade CECs,
primarily occurring in the rhizosphere [61–63]. Consequently, it is necessary to conduct
more detailed and systematic research on the pollution sources and environmental behav-
iors of CECs to provide a scientific basis for the accurate and scientific promotion of the
prevention and control of pollutant health risks, and it is extremely important to treat and
control their sources.
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4. Exposure and Health Effects of CECs

Exposure to CECs occurs through diverse pathways, including industrial production,
consumer goods, personal care products, plants and animals, food, and environmental
media like soil. These CECs have a tendency to bioaccumulate in organisms and humans,
resulting in threats to the environment and human health [64,65]. Scientific studies have
highlighted their adverse impact on tissues, organs, and overall health, with a substan-
tial portion of cancer risks linked to chemical use [66]. For example, persistent organic
pollutants have been associated with intersexes, and chlorinated paraffins have shown
toxic effects on zebrafish metabolism [67]. These contaminants enter the human body
through multiple routes, including oral ingestion, respiratory inhalation, and skin absorp-
tion. Drinking water remains a primary source for most perfluorinated and polyfluoroalkyl
substances (PFCs), while other sources contribute more to PFOA dust and air exposure [68].
Although studies indicate that micro/nanoplastics’ main exposure pathway is ingestion,
the contribution of other routes, like dust inhalation, should not be underestimated. How-
ever, accurately assessing human exposure to micro/nanoplastics is currently limited by
detection methods [69,70].

The cumulative homeostasis of CECs in the human body reflects the synergistic effects
of multiple exposure pathways. For example, with the gradual use of bisphenol S (BPS) as
a substitute for bisphenol A, the highest levels of BPS are found in the urine of the Japanese
population, followed by the United States, China, Kuwait, and Vietnam, and the levels
of BPS in the urine of the rest of Asia are an order of magnitude lower than the levels of
BPS elsewhere [71]. CECs are enriched in organisms and produce a variety of biological
toxicities in organisms and human health, including endocrine disruption, growth and de-
velopment toxicity, neurotoxicity, immunotoxicity, carcinogenicity, and teratogenicity [72].
Some studies have reported that photolysis will increase the toxic effect of polystyrene
microplastics and polystyrene fragments after photodegradation will reduce the particle
size and form persistent free radicals on the surface (such as CO· and COO·). Polystyrene
fragments after photodegradation have the greatest impact on the growth inhibition and
liver damage of grouper, followed by polystyrene fragments before photolysis and com-
mercially available polystyrene particles [73]. It has also been reported that PFOA induces
apoptosis in mouse hepatocytes, and the genotoxicity caused by the overproduction of
reactive oxygen species (ROS) is due to the inhibition of complex I subunits in the electron
transport chain and activation of the peroxide proliferation-activating receptor PPAR [74].
BPA also affects rat metabolism, with BPA exposure interfering with the biosynthesis of
valine, leucine, and isoleucine and the metabolism of D-glutamine and D-glutamate, and
low doses of BPA may have toxic effects on the nervous system [75]. Some studies have
reported that PFOs exposure affects synaptic transmission, cell growth, and development,
and mainly acts on calcium ion channels and produces neurotoxic effects [76].

Consumption of contaminated aquatic products is one of the most important pathways
of human exposure to CECs; therefore, it is important and necessary to assess the human
health risks caused by the intake of aquatic products. Some researchers found a significant
positive association between urine levels of organophosphorus flame retardants (DPHP) in
pregnant women and the risk of low birth weight in female infants. In the third trimester,
the fetus is susceptible to the developmental toxicity of BDCIPP and BBOEP [77]. However,
perfluorinated compounds (PFCs) have a serious impact on the occupationally exposed
population, and the levels of PFCs in this population are much higher than those in the
general population. Metabolomic studies have shown that 14 potential biomarkers are
associated with oxidative stress, fatty acid beta-oxidation disorder, and kidney damage;
however, the health risks of PFCs in occupational populations cannot be ignored, with as
many as 4730 PFCs used in the global market [78,79]. According to incomplete statistics,
62% of CECs have environmental health hazards. For example, owing to the influence
of new estrogen-like pollutants, the incidence of intersexes in wild barracudas in Bohai
Bay has reached 50% [67]. In addition, the tetrabrombisphenol A derivative had a stronger
neurotoxic effect than the parent compound, and exposure to this compound resulted
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in significant neuroethological changes in neonatal rats. The Journal of Science reports
that antibiotic drugs in CECs increase the resistance of organisms and interfere with the
homeostasis of organism populations and ecosystems [80]. Therefore, it is important to
study the main driving factors and regulatory mechanism of EC transport for the treatment
and control of CECs, and the joint ecological risk assessment of various pollutants needs to
be further improved.

5. Risk Assessment and Management of CECs

Geographic visualization analysis of studies published in 2013, 2018, and 2023, and
their correlations are shown in Figure 6. Globally, countries have the closest exchanges and
cooperation in the field of POP research (Figure 6j–l), followed by antibiotics (Figure 6a–c),
especially in Europe, the United States, and China, which have more extensive cooperative
research, followed by Australia and South America.

Currently, the risk management and control of CECs is plagued by a few issues, pri-
marily stemming from the lack of comprehensive laws and supervision. The absence of
upper-level national laws on chemical management in countries like China hinders the
regulation of CECs, leading to unclear numbers, unknown risks, and uncertainty regarding
priority control of pollutants in specific industries and regions. Moreover, there is a weak
foundation and insufficient reserves for effectively managing CECs, and innovation and
governance capabilities need significant strengthening. Notably, existing environmental
quality and industrial emission standards do not encompass CECs, despite their inter-
national significance. For instance, the “Surface Water Environmental Quality Standard”
used in China lacks indicators for new POPs, such as perfluorinated and polyfluorinated
compounds, which have been widely detected across various aquatic environments. Local
management often focuses on conventional pollutants, with limited attention and super-
vision given to CECs and their potential health and environmental risks. Compared to
conventional pollutants, CECs present more complex and hidden risks, posing greater
challenges in terms of scientific understanding and effective governance. Consequently,
addressing the risks associated with CECs necessitates urgent attention and comprehensive
regulatory measures.

CECs in the environment pose a threat to human health. The derivation of environmen-
tal benchmarks and risk assessments of CECs is the only way to conduct risk management.
Currently, aquatic water quality standards have been established for 35 pesticides, includ-
ing organophosphorus pesticides, nicotine pesticides, acaricides, pyrethroids, carbamates,
fungicides, and herbicides [81]. In addition, some studies have reported that a combination
of the quantitative structure-activity relationship (QSAR), intermediate relationship model
(ICE), and species sensitivity distribution model (SSD) can accurately predict the 5% species
hazard concentration (HC5), which is less than two times the actual experimental data
concentration. The stratified ecological risk assessment method showed that 14.2% (HC5)
and 76.5% (HC1) of the surface water in China may present reproductive health risks, with
the Yangtze River Basin being significantly higher than the other river basins [82]. It has
been reported that 50 types of drugs and personal care products (PPCPs) are frequently
detected in China’s surface water, and after in-depth research, 12 PPCPs with greater risk
to aquatic organisms have been selected using accurate probabilistic risk assessment meth-
ods [83]. Studies have also found that the ingestion of organophosphorus flame retardants
through drinking water poses a potential carcinogenic risk, with a contribution rate of up
to 72.4% [84]. In short, global research on the exposure and effects of CECs has made rapid
progress, and it is urgent to determine the impact of CECs on the ecological environment
and the risk assessment of human health, as well as to conduct comprehensive and in-depth
mechanistic exploration and risk prevention and control of the environmental behavior,
migration, transformation, and health effects of CECs.
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Figure 6. Geographical visualization of the literature published in 2013, 2018, and 2023 ((a–c): visu-
alizations of antibiotics as the main topic; (d–f): visualizations with EDCs as the main inscription;
(g–i): visualizations of microplastics for the title; (j–l): visualizations with POPs as the title. The white
lines represent collaborative networks and the red dots represent research institutions).

Currently, in developed countries, there are environmental regulations addressing
CECs. For example, the European Union has established an observation list [85] and
implemented the Regulation on Registration, Evaluation, Authorization, and Restriction
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of Chemicals [86]. The United Kingdom has its own chemical investigation program and
national implementation plans [87]. The United States has designated a candidate pollutant
list that specifically focuses on unregulated contaminants in drinking water [88]. On 28
June 2022, China jointly issued the Ecological and Environmental Protection Plan for the
Yellow River Basin and the Action Plan for Ecological Protection and Management of the
Yellow River, focusing on the mainstream and major tributaries of the Yellow River to carry
out environmental investigation, monitoring, and risk assessment of CECs. Various CECs,
including endocrine disruptors, POPs, antibiotics, microplastics, and pesticides, have been
detected in the agriculture surface water and sediments of the Yellow River Basin, among
which the pollution levels of antibiotics and POPs are high according to statistical analysis
of big data with the CiteSpace software (Figure 7). Microplastics have special carrier
behavior and can absorb CECs such as antibiotics, PFAS, and endocrine disruptors from the
environment [5]. With the ongoing battle against pollution, the focus of pollution control
has shifted from the short-term and explicit risk management of conventional pollutants
to the long-term and invisible risk management of CECs. However, current research
has not organically combined the exposure and health impacts of CECs for the health
risk assessment and management of CECs. Therefore, it is necessary to make scientific
judgments based on scientific experiments and data; implement classification standards,
quantitative risk assessment, differentiated assessment, and supervision; and provide
scientific and technological support and systematic solutions to support the prevention
and control of CECs.

Figure 7. Various CECs in the agriculture-linked surface water and sediments of the Yellow
River Basin.

Simultaneously, it is necessary to strengthen the top-level design, formulate CECs
control strategies and action plans, determine the pollution bottom number, organize in-
vestigations and monitoring special actions, strengthen scientific research, and establish a
technical system for the collaborative treatment of CECs and conventional pollutants. The
control and treatment of CECs are related to social and economic development, ecological
civilization construction, and people’s lives and health, and are deep-seated environmental
problems that must be solved as soon as possible. This is a long-term systematic project
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that should give full play to the leading and forcing role of ecological and environmen-
tal protection and coordinate the promotion and joint efforts of science and technology,
economy, management, and policy to continuously improve environmental quality and
promote the comprehensive green transformation of economic and social development.

6. Research Prospects

Currently, many CECs in the environment cannot be detected due to limitations in
detection methods. Therefore, there is a need for the development of robust non-targeted
monitoring approaches that can identify unknown compounds using minimal information.
It is important to establish priority control lists for CECs to facilitate regulatory measures.
Additionally, there should be a focus on the research and development of improved treat-
ment methods for CECs in the environment, such as Advanced Oxidation Processes (AOPs)
or other treatment technologies. To address the health risks posed by CECs, detailed
research on their sources and behaviors is necessary. Overall, adopting a global approach
based on screening, assessment, control, prohibition, reduction, and treatment will enable
effective management of CECs and safeguard human health and the environment.
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Abbreviations

AOPs Advanced Oxidation Processes
BBOEP butyl benzyl ortho-phthalate
BDCIPP 1,2-bis(2,4-dichlorophenyl)isopropanol
CECs Contaminants of emerging concern
DDE Dichlorodiphenylchloroethylene
DDT dichlorodiphenyldichloroethane and its isomers
EDCs Endocrine-Disrupting Chemicals
HCHs hexachlorocyclohexane and isomers
HC5 the 5% species hazard concentration
ICE intermediate relationship model
MBR Membrane bioreactor
MPs microplastic
OCPs organochlorine pesticides
PFCs perfluorinated compounds
PFAS per- and polyfluoroalkyl substances
PFOS perfluorooctane sulfonate
POPs persistent organic pollutants
PPAR peroxide proliferation-activating receptor
PPCPs personal care products
QSAR quantitative structure-activity relationship
ROS reactive oxygen species
SSD species sensitivity distribution model
TCDD 2,3,7,8-tetrachlorodibenzo-p-dioxin
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53. Previšić, A.; Rožman, M.; Mor, J.-R.; Acuña, V.; Serra-Compte, A.; Petrović, M.; Sabater, S. Aquatic Macroinvertebrates under
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Features of the Formation of Strontium Pollution of Drinking
Groundwater and Associated Health Risks in the North-West of
Russia

Alexander I. Malov

N. Laverov Federal Center for Integrated Arctic Research of the Ural Branch of the Russian Academy of Sciences,
20 Nikolsky Ave., Arkhangelsk 163020, Russia; malovai@yandex.ru

Abstract: The purpose of this research was to determine the natural factors that contribute to
maintaining the standard quality of fresh drinking groundwater in areas with high strontium content.
Hazard index values for the consumption of water containing strontium were also calculated to assess
the overall non-carcinogenic health risk from combined ingestion and dermal exposure. The results
showed that the groundwater with strontium concentrations exceeding the maximum permissible
concentrations had an increased correlation of strontium concentrations with total dissolved solids
and celestite and gypsum saturation indices. A decrease in calcium content was recorded with a
simultaneous increase in the concentration of magnesium and strontium. Reducing conditions in the
aquifer were also favorable for the conservation of these waters. In waters of standard quality, all
these factors did not appear, which indicates their formation in sediments with discretely located
small inclusions of celestite and gypsum. These waters were characterized by a calcium bicarbonate
composition, low total dissolved solids (TDS), and oxidizing conditions. Elevated radiocarbon
contents indicate their relatively young age. In general, it was found that children in the study
area are most vulnerable to risks. Fifty percent of wells supply drinking water that is unsafe for
consumption. The water from about a third of the wells studied is dangerous for adults.

Keywords: drinking water; Sr; isotope–chemical composition; dating; health risks

1. Introduction

Groundwater is one of the main components of the environment, without which the
existence of living organisms, including humans, is impossible. Groundwater has a number
of significant advantages over surface water as it is better protected from environmental
pollution than surface water and should be used first [1]. However, due to their dynamism,
they actively participate in the processes of interaction between water and rocks, trans-
ferring various chemical elements into solution, including those that negatively affect the
quality of drinking water [2–5].

The greatest difficulties are presented by elements whose maximum permissible
concentrations (MPC) are characteristic of natural waters (e.g., in mg·L−1: Fe 0.3, F 1.2–1.5,
Be 0.0002, Se 0.01, As 0.05, Sr 7.0, Mn 0.1) [6]. The low maximum permissible concentrations
of these elements are explained by their organoleptic (Fe, Mn) and sanitary–toxicological
properties (F, Be, Se, As, Sr).

According to [7], animal studies have shown that the chemical similarity of strontium
to calcium allows it to be exchanged for calcium in various biological processes; the
most important of these is the replacement of calcium in the bones, which affects skeletal
development, causing changes similar to those associated with rickets [8–11]. Strontium
may reduce cartilaginous bone calcification in children and adolescents with greater effects
than those in adults [12].

The study of strontium in relation to diseases with a predominant lesion of the osteoar-
ticular system in the form of deforming chondroosteoarthritis began more than 170 years
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ago with Russian scientists’ pioneering work on Urovskaya disease (the name was given
according to the place of its first discovery: the Urov River near Lake Baikal in the south of
Central Siberia) or Kashin–Beck disease (after the names of the doctors who first studied this
disease) [13]. Later, it turned out that this disease is also common in Tadzhikistan [14], NW
China [15], North Korea, and possibly in some areas of Africa [16,17]. However, despite a
long period of study, the exact cause of this disease has not yet been established. Currently,
more than 20 theories and hypotheses are being discussed in the scientific literature to
explain the etiology and factors of the disease. The priority theory is biogeochemical,
according to which the occurrence and course of the disease depend on environmental
factors (i.e., a lack/excess of chemical elements or compounds). In particular, researchers
have paid special attention to deficiencies of selenium and calcium and the low Ca:Sr
ratio in groundwater and surface water, bottom sediments, soil, vegetation, animal bones,
human teeth, and hair [18–21].

The relevance of studying fresh groundwater is due to the fact that: (1) drinking water
is the most necessary and obligatory substance in the human diet, (2) groundwater with a
high strontium content forms regional hydrogeochemical provinces in areas of widespread
carbonate rocks in humid areas [11,22,23], and (3) groundwater with high strontium content
is also widespread in arid zones due to the evaporative concentration of relatively shallow
groundwater [2]. Significant research has been carried out in central Russia, Siberia, China,
the US, and Australia [24–30]. Geological–hydrogeological, statistical, and thermodynamic
analyses have shown that in a number of cases there is a relationship between the strontium
content in water and the lithology of rocks, the age of groundwater, the total dissolved
solids (TDS), and the degree of saturation of groundwater in relation to gypsum and
celestite. However, the correlations were often somewhat weak [29].

In northwestern Russia, the highest Sr concentrations were established relatively re-
cently in the carbonate aquifer in the mouth area of the Mezen River basin (see
Figure 1b) [31]. Contamination of groundwater with strontium was also confirmed when
drilling wells for water to the south in the cities of Karpogory, Bereznik, Shenkursk, and
Velsk (see Figure 1a), and the implementation of a joint project by geochemists from Russia,
Finland, and Norway, showed that over the entire area of distribution of Permian rocks P1s,
P2u, P2kz, and P2t (see Figure 1a), even the surface water contains strontium at a level of
0.5 to 2 mg·L−1 [32].

However, it remains unclear why there is a significant variation in strontium concen-
trations in groundwater over short distances. At the same time, in our opinion, it is obvious
that the conditions for the formation of groundwater with high and low strontium concen-
trations are different, and it is necessary to look for correlation dependencies separately
for these two types of groundwater. Due to the fact that the MPC of strontium in Russia is
7 mg·L−1, this value was chosen during the study to separate two groundwater clusters.
The statistical study also showed that there is indeed a bimodal distribution of Sr concen-
trations in water, with the above two clusters being identified (see Figure S1, Table S1, and
Section S1 of the Supplementary Materials). The Shapiro–Wilk test of normality indicated
that there is a possibility of normal distributions in these two clusters (Table S2).

The purpose of this research was to determine natural factors that contribute to main-
taining the standard quality of fresh drinking groundwater in areas where high strontium
concentrations occur. To assess the overall non-carcinogenic health risk from combined
ingestion and dermal exposure, hazard index (HI) values from consumption of water con-
taining strontium were also calculated (see Section S4 of Supplementary Materials). Values
below one indicate no significant non-cancer health risk. HI values greater than one re-
flect the potential for non-cancerous health outcomes, and this probability increases as HI
values rise [33].
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Figure 1. General location of the study site showing (a) geology, (b) strontium distribution in
groundwater of the first aquifer from the surface (after [31]), and (c) sampling locations. I−I—cross-
section at Figure 2.
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Figure 2. Schematic hydrogeological section along line I–I in Figure 1a. The dotted lines show
the isolines of the total mineralization of groundwater (according to [31]); the red color shows the
concentrations of strontium in fresh groundwater. Designations in Figure 1.

2. Geological Conditions

The research area is located in the junction zone of the Mezen syneclise and the eastern
slope of the Baltic shield. Figure 1a shows the outcrop of this shield, composed of the most
ancient Archean–Early Proterozoic (A-Pt) primary sedimentary rocks, transformed into in-
tensely deformed and deeply metamorphosed gneisses, granite gneisses, amphibolites, and
crystalline schists. At the beginning of the Riphean period (R) of the Late Proterozoic stage,
a system of narrow extended grabens (aulacogens) was formed in this crystalline basement,
which was filled with terrigenous, carbonate–terrigenous, and effusive-terrigenous strata
up to several kilometers thick. Regional subsidence of the territory, which is associated
with the formation of the Mezen syneclise, began in the Vendian (Ediacaran) period of the
Late Proterozoic.

Sedimentation of the Ust Pinega (Vup) and Mezen (Vmz) formations (see Figure 2)
proceeded in a relatively shallow epicontinental sea with weak hydrodynamics and a
predominance of a reducing geochemical setting. Thin horizontal layering of the band type,
accentuated by films of organic matter, probably arose during seasonal climate fluctuations.
Against the background of calm and unidirectional subsidence, at times there were short-
term rises of the bottom, accompanied by shallowing of the sea, as evidenced by the
appearance of thin layers of siltstones and sandstones in the section. The formation of
coarse-grained facies (probably deltaic or coastal-marine) in the Padun Formation (Vpd) is
associated with the activation of multidirectional tectonic movements. From the end of the
Vendian to the beginning of the formation of the Lower Carboniferous deposits, the region
was mainly an area of removal and continental weathering. The significant proportion
of kaolinite and cement in the terrigenous formations of the Vendian Padun Formation
testifies to intense weathering processes [34,35].

In the Lower Carboniferous (C1), the subsidence of the territory begins. The sediments
are dominated by clays and siltstones, with interlayers of sandstones and conglomerates
and thin interlayers of carbonate rocks: dolomites, limestones, and marls. The facies
variability of the rocks of the Kashir horizon of the Middle Carboniferous (C2kš), the absence
of irregularities in the distribution of clastic material in terms of granulometric composition,
poor roundness, and sorting of fragments, the presence of layers of gravelstones and
conglomerates, and a sharp variability in thickness indicate the accumulation of these
deposits in a turbulent coastal environment. The maximum distribution of the Middle
Carboniferous Sea occurred during the Podolian time (C2pd). Large areas accumulated
dolomites and limestones. The fauna from these deposits testifies to a shallow, coastal
zone of the marine basin with a salinity close to normal. In the Upper Carboniferous (C3),
the transgression reaches its maximum size. At this time, thick strata of dolomites had
accumulated over most of the area.

The beginning of the Permian period was marked by a powerful Asselian transgression
(P1a), which manifested itself on a planetary scale. The marine basin was characterized
by normal salinity and mostly shallow water, which is confirmed by the diversity of
faunal remains. However, in some areas there was a regime in which the conditions of
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sediment deposition somewhat deviated from those of a normal sea basin, and here lagoons
periodically formed, which are associated with the appearance of gypsum interlayers. The
salinization and regression of the sea, which began in the Upper Asselian, continued
most intensively in the Sakmarian time (P1s), by the end of which the territory was a
gradually salinizing lagoon. Here, at first, the accumulation of dolomites containing
gypsum interlayers occurred, followed by the accumulation of thick strata (about 80 m) of
gypsum and anhydrites.

The type of sediments of the Ufimian stage of the Upper Permian (P2u), represented
mainly by red-colored siltstones, indicates that their accumulation occurred in a lagoonal–
continental setting under arid climate conditions. The gypsum content of the rocks is
replaced by celestite ore occurrences in the direction from the base to the top of the formation
(see Figure 1b). The accumulation of sediments of the Kazanian stage of the Upper Permian
(P2kz) is associated with successive transgressions of the sea and its regression. Therefore,
marls and calcareous clays are replaced by clayey, sandy, and dolomitic limestones with
inclusions of gypsum and anhydrite. The Tatarian stage (P2t) is represented at the base of
the section by marls and siltstones with horizontal or similar bedding, which indicates the
existence of a basin whose conditions were close to marine ones. Subsequently, there was
an increasing desalination of the saline lagoons with the formation of the sandy–silty part
of the sediments.

This regime did not last long. Subsequently, the entire territory entered the path of the
predominantly continental Mesozoic–Cenozoic stage of denudation leveling. During this
period, a significant part of the Lower Permian gypsum anhydrite sequence, distributed at
least 100–150 km west of the currently observed boundary of the Sakmarian stage of the
Lower Permian, was eroded (see Figures 1 and 2) [31].

As shown in Figure 2, the maximum concentrations of strontium, at 7–40 mg·L−1, in
fresh groundwater are confined to the distribution area of the Kazanian-stage carbonate
deposits. To the west, in the area of accumulation of thick strata of gypsum and anhydrites,
they decrease to 2–7 mg·L−1, and further to the west, terrigenous-carbonate rocks contain
groundwater with minimal concentrations of strontium. In [31], it is shown that, in general,
one can note the dependence of the strontium content in water on its concentrations in
rocks: in the direction from east to west they decrease from 2400 to 10 mg·kg−1. The Sr
content in sandstones is 200 mg·kg−1, and in carbonate rocks is 610 mg·kg−1 [36,37].

The waters with the highest concentrations of strontium are the most dangerous for
consumption, since in addition to the strontium content above the MPC for fresh drinking
water, Ca/Sr << 100 ratios are also observed, which can cause the occurrence of Urov
endemia (Kashin–Beck disease) [2].

3. Materials and Methods

In June 2022, 17 samples of drinking water used for water supply to the population
were taken from boreholes located in the estuary zone of the Mezen River basin (see
Figure 1c) for the purpose of studying the isotopic chemical composition (see Tables 1–3).
The field sample preparation was carried out as described in a previous paper [38]. The
analytical procedures are also described in previous papers [38,39]. The calcium, strontium,
magnesium, sodium, and potassium concentrations were determined with an uncertainty
degree of 1–2% by using an atomic absorption spectrometer (AAS) (Perkin-Elmer 5100 PC,
Turku, Finland). Alkalinity was measured by potentiometric titration with HCl using
an automated titrator (Metrohm 716 DMS Titrino, Metrohm AG, Herisau, Switzerland)
using the Gran method (detection limit 10−5 M, uncertainty at ≥0.5 mmol·L−1 1–3% and
at <0.5 mmol·L−1 7%). The major anion concentrations (Cl−, SO4

2−) were measured by
ion chromatography (HPLC, Dionex ICS 2000, ThermoFisher, Waltham, MA, USA) with an
uncertainty of 2%.

72



Water 2023, 15, 3846

Table 1. The physicochemical parameters of groundwater.

Sample ID Location
H,

m.a.s.l.
Sample Date//

Depth (m)
T

(◦C)
pH

(Unit)
Eh

(mV)
O2

(mg·L−1)
TDS

(mg·L−1)
Sr

(mg·L−1)

K-120 N 65.87238 E 44.13921 6 18 June//40–60 5.3 8.03 151 3.0 410 12.09
K-1 N 65.88087 E 44.12091 22 18 June//40–60 7.1 7.99 155 8.0 446 8.23

M-200 N 65.85261 E 44.23201 11 21 June//40–60 4.8 7.90 −60 2.8 469 1.91
M-84 N 65.86652 E 44.21601 13 20 June//40–60 5.3 7.77 73 3.2 473 0.76
M-10 N 65.86009 E 44.23067 10 19 June//40–60 5.5 7.87 −121 2.1 538 17.10
M-20 N 65.83675 E 44.26264 28 21 June//40–60 4.0 7.89 −103 2.2 562 1.50
M-85 N 65.84367 E 44.23960 10 19 June//40–60 5.6 7.82 8 6.0 646 26.31
M-4 N 65.86776 E 44.20915 11 20 June//40–60 4.2 7.45 66 0.6 656 1.02

M-169 N 65.83541 E 44.25338 19 21 June//40–60 5.0 7.78 −58 3.4 663 6.60
M-48 N 65.84318 E 44.24603 12 22 June//40–60 5.3 7.86 −78 2.8 669 4.62
M-44 N 65.84731 E 44.24515 17 22 June//40–60 5.3 7.67 −6 3.0 705 2.40
M-43 N 65.84137 E 44.24300 9 19 June//40–60 6.5 7.61 −109 0.6 731 32.00

M-165 N 65.86820 E 44.22311 17 20 June//40–60 4.6 7.56 58 2.0 752 1.50
M-172 N 65.84790 E 44.23991 13 22 June//40–60 8.2 7.64 38 5.6 780 2.70

K-4 N 65.89190 E 44.11613 10 17 June//40–60 6.0 7.28 −41 4.5 803 40.11
K-5 N 65.89627 E 44.11808 11 17 June//40–60 5.7 7.06 −116 0.0 857 27.14

K-119 N 65.88612 E 44.10291 12 17 June//40–60 5.0 7.67 −16 3.1 979 39.06

Sample ID Na+(mg.L−1) Ca2+ Mg2+ K+ Cl− SO4
2− HCO3

− Ca2+/Sr Water Type a (-)

K-120 24.0 48.3 16.8 3.61 24.8 16.0 265 4.0 Ca-Mg-HCO3
K-1 18.9 58.1 20.5 3.73 21.2 26.7 289 7.1 Ca-Mg-HCO3

M-200 23.1 61.3 21.1 3.49 10.6 7.1 341 32.0 Ca-Mg-HCO3
M-84 19.8 74.1 15.7 3.60 14.2 15.6 330 98.0 Ca-HCO3
M-10 27.4 64.5 25.2 3.68 38.9 8.3 353 3.8 Ca-Mg-HCO3
M-20 49.0 65.3 18.7 3.71 10.6 9.2 404 43.0 Ca-Na-HCO3
M-85 35.4 61.3 29.6 3.91 17.7 85.1 387 2.4 Ca-Mg-HCO3
M-4 38.9 107.0 9.1 4.25 15.9 56.5 424 107.0 Ca-HCO3

M-169 55.9 74.9 25.1 4.16 24.8 6.5 465 11.0 Ca-Na-Mg-HCO3
M-48 39.8 83.0 29.8 3.78 24.8 15.7 467 18.0 Ca-Mg-HCO3
M-44 54.5 105.0 11.8 4.22 10.6 4.4 512 44.0 Ca-Na-HCO3
M-43 80.0 49.3 25.1 4.31 33.6 72.9 433 2.2 Na-Ca-HCO3

M-165 63.9 111.0 21.3 4.62 37.2 36.0 476 74.0 Ca-Na-HCO3
M-172 72.4 111.0 7.9 3.90 33.6 44.0 494 41 Ca-Na-HCO3

K-4 43.7 85.0 33.4 4.13 54.9 52.3 489 2.1 Ca-Mg-HCO3
K-5 84.0 85.4 21.9 6.41 65.8 108.0 458 3.2 Ca-Na-HCO3

K-119 170.0 58.9 37.2 11.10 158.0 123.0 382 1.5 Na-Mg-Ca-HCO3-Cl

a Cations and anions with a content higher than 25 mg-eq·% are listed in descending order.

Table 2. The mineral saturation indices (SI) of groundwater.

Sample ID Dolomite Calcite Strontianite Anhydrite Gypsum Celestite

K-120 0.88 0.42 1.87 −2.98 −2.56 −2.57
K-1 0.90 0.43 1.64 −2.70 −2.28 −2.54

M-200 0.91 0.44 0.98 −3.25 −2.84 −3.76
M-84 0.58 0.38 0.45 −2.83 −2.42 −3.81
M-10 0.98 0.44 1.92 −3.19 −2.78 −2.76
M-20 1.03 0.54 0.95 −3.13 −2.72 −3.77
M-85 0.84 0.33 2.02 −2.23 −1.82 −1.59
M-4 −0.03 0.27 0.30 −2.16 −1.75 −3.18

M-169 1.08 0.53 1.52 −3.26 −2.85 −3.31
M-48 1.33 0.64 1.44 −2.85 −2.44 −3.10
M-444 0.75 0.60 1.02 −3.29 −2.88 −3.92
M-43 0.38 0.09 1.96 −2.40 −1.98 −1.57

M-165 0.79 0.50 0.69 −2.39 −1.98 −3.25
M-172 0.44 0.55 0.99 −2.28 −1.87 −2.88

K-4 0.16 0.04 1.77 −2.34 −1.93 −1.66
K-5 −0.59 −0.24 1.32 −2.02 −1.61 −1.51

K-119 0.79 0.25 2.14 −2.19 −1.77 −1.35
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Table 3. Characteristics of the isotopic composition of groundwater and parameters used to estimate
the residence time of groundwater in the aquifer.

Sample ID 14C
(pmc)

δ13C
(‰)

14C a

(pMC)

14C0
b

(pmc)

14C0
c 14C0

d 14C0
e

K-120 44.04 ± 0.47 −10.6 42.79 ± 0.46 45.00 NC 60.42 85
K-1 45.4 ± 0.41 −10.7 44.1 ± 0.4 45.36 NC 60.99 85

M-200 50.15 ± 0.53 −9.1 48.56 ± 0.51 39.64 NC 51.87 85
M-84 65.02 ± 0.58 −13.2 63.49 ± 0.57 54.29 50.47 76.95 85
M-10 57.45 ± 0.66 −8.7 55.58 ± 0.64 38.21 NC 49.59 85
M-20 54.57 ± 0.54 −13.3 53.29 ± 0.53 54.64 53.98 75.81 85
M-85 49.32 ± 0.61 −11.8 49.02 ± 0.59 49.29 NC 67.26 85
M-4 74.47 ± 0.66 −14.6 72.92 ± 0.65 59.29 63.17 83.22 85

M-169 60.53 ± 0.65 −15.7 59.4 ± 0.64 63.21 90.87 89.49 85
M-48 58.3 ± 0.54 −15.8 57.23 ± 0.5 63.57 93.62 90.06 85
M-44 61.39 ± 0.60 −13.5 59.98 ± 0.59 55.36 52.79 76.95 85
M-43 44.64 ± 0.55 −9.9 43.29 ± 0.53 42.50 NC 56.43 85
M-165 72.2 ± 0.67 −12.0 70.32 ± 0.65 50.00 24.61 68.4 85
M-172 62.87 ± 0.56 −15.2 61.64 ± 0.55 61.43 77.44 86.64 85

K-4 50.24 ± 0.44 −9.8 48.71 ± 0.43 42.14 NC 55.86 85
K-5 59.23 ± 0.54 −13.3 57.84 ± 0.53 54.64 21.96 75.81 85

K-119 29.53 ± 0.49 −8.6 28.56 ± 0.47 37.86 NC 49.02 85

Sample ID 14C Age b

(year BP)

14C Age c 14C Age d 14C Age e U
(ppb)

234U/238U
(unit)

K-120 424 ± 104 NC 2675 ± 163 6171 ± 144 0.130 1.12
K-1 214 ± 213 NC 2529 ± 169 5968 ± 204 0.075 1.13

M-200 modern NC 236 ± 235 5027 ± 187 0.243 2.78
M-84 modern modern 1337 ± 187 2237 ± 82 0.649 1.67
M-10 modern NC modern 3472 ± 102 0.026 1.63
M-20 208 ± 207 modern 2836 ± 84 4014 ± 128 0.094 1.65
M-85 modern NC 2628 ± 138 5143 ± 163 0.225 2.08
M-4 modern modern 842 ± 78 1049 ± 121 0.607 1.81

M-169 570 ± 76 3588 ± 109 3468 ± 91 2898 ± 109 0.027 3.48
M-48 804 ± 99 4369 ± 131 4540 ± 240 3336 ± 106 0.108 3.43
M-44 modern modern 1801 ± 92 2810 ± 65 1.633 1.54
M-43 modern NC 1820 ± 84 6130 ± 136 0.042 2.06
M-165 modern modern modern 1259 ± 76 0.994 1.23
M-172 modern 1632 ± 83 2791 ± 61 2605 ± 118 1.885 1.57

K-4 modern NC 817 ± 88 4935 ± 92 0.078 2.26
K-5 modern modern 2007 ± 104 3186 ± 140 0.085 1.59

K-119 2424 ± 272 NC 4662 ± 206 9828 ± 285 0.014 3.94

a normalized radiocarbon concentration; b initial carbon isotopic composition and calibrated age according to the
Pearson model; c same for Mook model; d same for Ferronsky model; e same for Vogel model; NC not calculated.

Estimates of the residence time of groundwater in the aquifer were made using carbon
isotopes 14C and 13C [40,41]. Two models were used to determine the initial radiocarbon
content in the groundwater recharge area (14C0). For isotopic exchange between solid
carbonate and total dissolved inorganic carbon (TDIC), the Ingerson and Pearson model
was used [42]. For isotope exchange between soil CO2 and TDIC, the Mook model [43,44]
was used (see [38,45]).

Due to the fact that calculations using these models showed a very young age of
groundwater, Ferronsky and Polyakov’s [46] model to account only for the dissolution of
carbonates was also used:

14C0 = −5.7δ13C (1)

In addition, according to Vogel’s [47] generalization that the radiocarbon activity
of freshly formed groundwater in many parts of the world averages 85 ± 5% of the
radiocarbon activity of a modern wood standard, the simplest model was also used:

14C0 = 85pmc (2)

Calib Rev 8.1.0 was used to calibrate the radiocarbon ages [48,49].
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4. Results

4.1. The Physicochemical Parameters of Groundwater

Physicochemical parameters characterizing the water composition of the Upper
Permian Kazan carbonate aquifer (P2kz) are shown in Table 1 and Section S2 of the
Supplementary Materials and illustrated by Piper diagrams in Figure 3.

Figure 3. Piper diagrams.

TDS in fresh water ranged from 410 to 979 mg·L−1. The Ca-Mg-HCO3 composition was
typical for low-mineralized waters. With an increase in their mineralization, the chemical
composition changed to Ca-Na-HCO3 and Na-Mg-Ca-HCO3-Cl. As the composition
of the groundwater changed, its pH also changed from the range of 7.45–8.03 (average
value = 7.84) to the range of 7.06–7.67 (average value = 7.47). Sr concentrations ranged
from 0.76 to 40.11 mg·L−1, regardless of the overall water composition (Table 1). The
water saturation indices (SI) for gypsum and anhydrite were largely negative (Table 2),
and there was a deficiency of SO4

2− relative to Ca2+ (Figure 4a), which indicated relatively
small amounts of Ca2+ transferred into water due to the dissolution of gypsum. The
exception was the most mineralized sample K-119, in which the Ca2+:SO4

2− ratio was close
to unity (1.15).

In low-mineralized waters, the ratio (Ca2+ + Mg2+):HCO3
− is close to unity. As

the degree of water mineralization increases, a deficiency (Ca2+ + Mg2+) is observed
(Figure 4b). At the same time, the ratios Na+:HCO3

− (Figure 4c) and Na+:Ca2+ (Figure 4d)
increase. Sea coasts are characterized by an observed increase in the concentration of
chlorine in groundwater up to 158 mg·L−1 (see Figures 1a and 2). However, an excess
of sodium compared to chlorine (Figure 4f) and negative values of chlor-alkali indices
(Figure 4e) indicate the possibility of Na+ passing into solution due to the cation exchange
of alkaline earth elements for alkaline ones [50,51]. Additional sources of sodium can be
aluminosilicates such as albite and oligoclase.
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Figure 4. Diagrams showing element concentrations (meq·L−1) and their ratios (eq·eq−1) in the fresh
groundwater of the study area with TDS groups; Ca2+ vs. SO4

2− (a), (Ca2+ + Mg2+) vs. HCO3
− (b),

Na+ vs. HCO3
− (c), Na+/Ca2+ vs. TDS (d), Chloroalkaline indices vs. TDS (e) and Na+ vs. Cl− (f).

4.2. Isotopic Parameters of Groundwater

The results of determinations of carbon and uranium isotopes in groundwater of the
Upper Permian Kazan carbonate aquifer (P2kz) are presented in Table 3.

As can be seen from the table, the Pearson and Mook models generally provide
values for the residence time of groundwater in the aquifer that can be characterized as
“modern.” Four samples showed values ranging from 1632 ± 83 to 4540 ± 240 years.
Calculations using the Ferronsky model showed groundwater age values comparable to
those determined by the Mook model approximately up to 4662 ± 206 years, and according
to the Vogel model they were twice as high.

In general, for all models, one can see a tendency to correlate the age of groundwater
with radiocarbon concentrations in groundwater (Figure S2), and we considered it more
logical to use the 14C (pmc) values when analyzing changes in the strontium concentration
depending on water age (see Section 4.5).

The 14C values varied from 74.47 ± 0.66 to 29.53 ± 0.49 pmc. They did not correlate
with TDS. A more detailed description is given in Section 4.5.

Uranium concentrations were maximum (0.2–1.9 μg·L−1) under oxidizing conditions,
where uranium was in the 6+ form; under reducing conditions, uranium passed into
the 4+ state, and its content, as a rule, does not exceed 0.1 μg·L−1 (Figure S3a). The
maximum concentrations of uranium tended to be in more alkaline conditions than the
minimum concentrations (pH 7.5–8; Figure S3b), where they were in the composition of
uranyl-carbonate complexes. The maximum concentrations of uranium also predomi-
nated in younger waters (14C = 60–80 pmc) when compared to the minimal concentrations

76



Water 2023, 15, 3846

(14C = 20–60 pmc; Figure S3c). In waters with maximum uranium concentrations, where
rock dissolution processes predominate, the ratio of uranium isotopes 234U:238U was mini-
mal (1–2); in reducing conditions where recoil loss factors predominate, it rose to 4 (Figure
S3d). Under oxidizing conditions, elevated uranium concentrations correlated with TDS
(R2 = 0.59; Figure S3e) and the main TDS-determining ions—Na+ (R2 = 0.73; Figure S3f),
HCO3

− (R2 = 0.75; Figure S4a), and Ca2+ (R2 = 0.67; Figure S4b)—but did not correlate with
SO4

2−, Cl−, or Mg2+ (Figure S4c–e). Under reducing conditions, there was no correlation
between the minimum concentrations of uranium, TDS, and basic ions.

4.3. Dependence of Strontium on the Acid–Base and Redox Properties of Fresh Water in the Upper
Permian Kazan Carbonate Aquifer (P2kz)

Elevated strontium concentrations showed a tendency to increase simultaneously
with a decrease in pH to neutral values (Figure 5a), although the significance level for this
dependency was above 5% (coefficient of determination R2 = 0.44, coefficient of correlation
r = –0.67, significance value p = 0.07; see Section S3 of the Supplementary Materials). For
low strontium concentrations there was no correlation (R2 = 0.09, r = 0.31, p = 0.42).

The dependence of the SI values for calcite and dolomite on pH was well pronounced
for groundwater with high strontium concentrations (R2 = 0.93–0.88, r = 0.97–0.94, p = 0).
At the same time, the supersaturation of water in relation to these minerals was replaced
by undersaturation, which was characterized by a change in SI from 0.4 and 1 to –0.2 and
–0.6, respectively, as it approached neutral pH values (Figure 5b). There was practically no
tendency to increase Sr in this direction (Figure 5g) (R2 = 0.35 and 0.18, r = –0.59 and –0.43,
p = 0.12 and 0.29, respectively).

A correlation between saturation indices for dolomite and pH was observed in ground-
water with low strontium concentrations (R2 = 0.64, r = 0.8, p = 0.01), with SI changing
from 1.3 to –0.03. There was no correlation between SI values for calcite and pH (R2 = 0.19,
r = 0.45, p = 0.22), with SI changing from 0.6 to 0.3. The concentration of Sr increased in the
direction of increasing the supersaturation of water with respect to calcite and dolomite
(R2 = 0.30–0.34, r = 0.56–0.58, p = 0.12–0.1), which may indicate other sources of Sr in
the water.

The SI values for strontianite did not correlate with pH (R2 = 0.28 and 0.34, r = 0.53
and 0.58, p = 0.18 and 0.1 for water samples with high and low strontium concentrations,
respectively; Figure 5c). The same can be said about the concentration of Sr in water with a
high content of it. Low strontium concentrations increased towards increasing the water
supersaturation with strontianite from SI 0.3 to 1.5 (Figure 5h) (R2 = 0.79, r = 0.89, p = 0.01).

Negative saturation indices for gypsum and celestite were recorded throughout the
entire range of their values. For water with high strontium contents they increased as
they approached neutral pH values from –2.8 to –1.6 and –1.4, respectively (Figure 5b,c)
(R2 = 0.49–0.45, r = –0.7 to –0.67, p = 0.05 –0.07). The concentrations of strontium increased
in a similar manner (Figure 5g,h) (R2 = 0.48–0.74, r = 0.7–0.86, p = 0.06–0.006). For samples
with low strontium contents, SI increased from −2.9 and −3.9 to −1.8 and −2.9, respectively
(Figure 5b,c) (R2 = 0.59–0.18, r = –0.76 to –0.42, p = 0.02–0.26); however, they were not
correlated with Sr (Figure 5g,h) (R2 = 0.14–0.12, r = –0.37 to 0.35, p = 0.32–0.36).

There was a dependence of TDS on pH (R2 = 0.56, r = –0.75, p = 0.03 in water samples
with high strontium contents and R2 = 0.36, r = –0.6, p = 0.09 in water samples with low
strontium contents), which was expressed with an increase in TDS as the pH approached
neutral values in the P2kz carbonate aquifer (Table 1). Elevated strontium concentrations
showed a high positive correlation with TDS (Figure 5d) (R2 = 0.82; r = 0.9, p = 0.002). Low
strontium concentrations did not correlate with TDS (R2 = 0.09, r = 0.3, p = 0.43).

As in the case of pH, for groundwater with a high content of strontium, a slight
decrease in the supersaturation of water in calcite and dolomite was found as the degree of
water mineralization increased (R2 = 0.49–0.31; Figure 5e). Saturation indices for strontianite
did not correlate with TDS (R2 = 0.01; Figure 5f). The most pronounced undersaturation
of water was with respect to gypsum and celestite (Figure 5e,f), and this undersaturation
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decreased as TDS increased from SI = –2.8 to –1.6 and from –2.8 to –1.4, respectively
(R2 = 0.64–0.73, r = 0.8 –0.89, p = 0.02–0.003). For groundwater with a low content of
strontium, there was no correlation of TDS with saturation indices for all minerals except
celestite (Figure 5e,f).

Figure 5. Graphs of strontium concentrations in water as a function of pH (a), TDS (d), SI (g,h),
elevation (i), and Eh (j); graphs of groundwater saturation indices depending on pH (b,c) and TDS
(e,f). Red line is Eh = 0.

Groundwater with high Sr concentrations tended to predominate in the lowlands near
the river (Figure 5i) and in the reducing conditions of the aquifer (Figure 5j). Figure 6a
shows the correlation between the maximum Sr concentrations and the minimum U con-
centrations characteristic of a reducing environment in aquifers [52] (see Table 2). Figure 6b
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also demonstrates the presence of two different correlation trends for the maximum and
minimum Sr concentrations with 234U:238U activity ratios, with the same correlation co-
efficients (R2 = 0.64). A similar trend (without separation of water types according to Sr
concentrations) was noted by Plechacek et al. [30].

Figure 6. Graphs of strontium concentrations in water as a function of U (a) and 234U/238U (b) in the
fresh groundwater.

4.4. Strontium vs. Chemical Composition of the Fresh Groundwater in the Upper Permian Kazan
Carbonate Aquifer

Figures 5d and 7a,b show that increased strontium concentrations were correlated
with TDS, Mg2+, and HCO3

− (R2 = 0.82–0.69, r = 0.91–0.83, p = 0.002–0.01). There was a
trend of increasing Sr concentrations with increasing SO4

2−, Na+, and Cl− (Figure 7c–e)
(R2 = 0.5–0.38, r = 0.71–0.62, p = 0.05–0,1). There was virtually no correlation with Ca2+

(R2 = 0.16; Figure 7f).

 

Figure 7. Graphs of strontium concentrations in water as a function of Mg2+ (a), HCO3
– (b), SO4

2–

(c), Na+ (d), Cl– (e), and Ca2+ (f).
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For these waters, a close dependence of the contents of sulfates and sodium on
the total amount of dissolved substances was also recorded (R2 = 0.77–0.72) (Figure 8a).
The dependence of TDS on the contents of chlorides, bicarbonates, and magnesium was
somewhat lower (R2 = 0.62–0.52), and the correlation with calcium was practically absent
(R2 = 0.23).

Figure 8. Diagrams of the dependence of the contents of the main cations and anions on the total
amount of dissolved substances in water with excesses of the PMC for strontium (a) and in water
of standard quality (b); the ratio of the concentrations of main cations and anions in waters of these
two types (c–f).

Figure 8c,d show that the contents of Mg2+, SO4
2−, Na+, and Cl− in water with

strontium concentrations above the MPS are noticeably higher than in water of standard
quality; the concentrations of HCO3

− and Ca2+ show the opposite pattern (Figure 8e).
In addition, in water of standard quality there was no correlation between strontium con-

tents and the ionic composition and total amount of dissolved substances (Figures 5d and 7).
At the same time, there was a close dependence of TDS on the contents of bicarbonates,
sodium, and calcium (R2 = 0.89–0.71; Figure 8b). It was somewhat lower in relation to
chlorides (R2 = 0.52) and was practically absent in relation to sulfates and magnesium
(R2 = 0.23 and 0.04).

80



Water 2023, 15, 3846

4.5. Dependence of Strontium Content on Water Age

Figure 9a shows a decrease in Ca2+ concentrations with decreasing 14C (pmc) values,
that is, increasing age of water. At the same time, the concentrations of Sr and Mg2+

increased, and in Figure 9c,d a clear increase in Mg2+:Ca2+ and Sr:Ca2+ can be seen. It
should be noted that these graphs were built for the entire data set (17 water samples). For
water with high (8 samples) and low (9 samples) Sr content, a weak correlation was found
between 14C and Ca2+ (Figure 9b) (R2 = 0.30–0.58, r = 0.55–0.76, p = 0.16–0.02); there is no
correlation between 14C and Sr (R2 = 0.07–0.08, r = –0.27 to –0.28, p = 0.52 to 0.46).

 
Figure 9. 14C (pmc) vs. (a) strontium, calcium, and magnesium; (b) strontium and strontium in high
and low-Sr water; (c) Mg2+:Ca2+; (d) Sr:Ca2+; (e) SIcelestite; (f) SIstrontionite.

Graphs constructed from the entire data set (17 water samples) (Figure 9e,f) also
show a correlation of SI for strontianite with the age of water (R2 = 0.65) and a weak
correlation of SI for celestite with the age of water (R2 = 0.34). In water of standard quality
(9 samples), there was also a correlation of SI for strontianite with the age of water (r = –0.61,
p = 0.047) and no correlation of SI for celestite with the age of water (r = 0.41, p = 0.27).
In water exceeding the MPC for strontium, the correlation of the saturation indices of
strontianite and celestite with the age of the water was not established (r = –0.64 and –0.27,
p = 0.08 and 0.52).

5. Discussion

5.1. Groundwater with Strontium Concentrations above the MPC

We have shown above that an increase in strontium concentrations in fresh groundwa-
ter was observed simultaneously with an increase in the amount of dissolved substances
and a decrease in pH to approximately neutral values. Similar trends were also noted by
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Krainov [2] and Macgrove [29]. However, the correlation of strontium and pH in our case
was insignificant (r = –0.67, p = 0.07) compared to the correlation of strontium and the
amount of dissolved substances (r = 0.9, p = 0.002). As a result, there was a clear increase
in the values of SIcelestite and SIgypsum simultaneously with an increase in the content of
dissolved substances in water (r = 0.89–0.8, p = 0.003–0.02), while the correlation of SIcelestite
and SIgypsum with pH was noticeably less pronounced (r = –0.67 and –0.7, p = 0.07 and
0.05). There was also a clear increase in strontium concentration along with an increase
in SIcelestite and SIgypsum (r = 0.86–0.7, p = 0.006–0.06), while water saturation with calcite
and dolomite had little effect on the increase in strontium content. A relationship between
SIcelestite and SIstrontianite and the age of groundwater was noted.

A correlation of magnesium with strontium and total mineralization of groundwater
(r = 0.84 and 0.75, p = 0.01 and 0.03) and no correlation of calcium with strontium and total
mineralization of groundwater (r = 0.4 and 0. 48, p = 0.32 and 0.23) were found for strontium-
rich groundwater. In addition, it was found that with increasing water age, there was a
decrease in calcium concentration with a parallel increase in strontium and magnesium
concentrations and an increase in magnesium–calcium and strontium–calcium ratios.

Thus, it can be assumed that it is not an increase in magnesium concentrations as a
result of the dedolomitization of rocks [23,29,53–55], but a decrease in the calcium con-
centrations (Figures 9a and 10) that causes an increase in the content of strontium, which
replaces it.

 
Figure 10. Sr:Ca2+ vs. Mg2+:Ca2+ plot.

However, a separate analysis of age-related changes in the concentrations of Ca and
Sr in waters with strontium contents above and below the MPC (Figure 9b) shows less
certain dependencies, and therefore it is advisable to check them in the future using more
extensive material through periodical samplings.

The correlation of strontium with bicarbonate ions is also significant (r = 0.83, p = 0.01),
since bicarbonate ions are one of the main components of low-mineralized water. However,
in more mineralized waters they are partially “replaced” by sulfate ions and chloride [24,25]
(see Figure 8a,c–e). At the same time, as shown above, calcium concentrations increased in
proportion to the concentrations of bicarbonate ions, also in low-mineralized waters, and
then were partially “replaced” by sodium (see Figure 8e,d).

Based on the established correlation of the concentrations of strontium (Figure 5d),
chlorine ions, and sodium (Figure 8d) with the total mineralization of groundwater and
the tendency of increasing strontium concentrations with increasing sodium and chlorine
content, it can be assumed that there is an influence of the upwelling of salt waters from
the lower substage of the Kazan aquifer (see Figure 2) to increase the strontium content in
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drinking water. According to [26], the contents of TDS and Sr in saline groundwater are
3100 and 9 ppm, respectively. That is, water mineralization up to 700–1000 ppm can be
obtained by mixing one part of salt water with 4–8 parts of fresh water (400 ppm). However,
to achieve a Sr concentration in this mixture of 7 ppm, its concentration in fresh water
should already be about 6.6 ppm: (9 x 1 + 6.6 x 6)/7 = 7. That is, the effect of salt water is
insignificant in relation to the increase in strontium concentration [56].

The correlation of strontium with sulfate ions and a significant increase in the concen-
tration of sulfate ions with an increase in TDS, as well as the correlation of strontium with
SIcelestite and SIgypsum indicate the formation of high concentrations of strontium due to the
dissolution of these minerals.

The occurrence of the collected water samples with a high content of strontium in the
zone of reducing conditions is possibly due to the difficult water exchange in this area and
its relatively weak flushing, as a result of which celestite inclusions are preserved there.
Other researchers have noted a similar trend [29,30].

The regularity of this factor is also justified by the increase in strontium concentrations
in boreholes gravitating to the lowlands near the river (see Figure 1c, Kamenka village and
Figure 11).

Figure 11. Scheme of the formation of strontium contamination. Green and red vertical lines are
groundwater sampling intervals.

5.2. Groundwater with Strontium Content below the MPC

Strontium concentrations in strontium-poor groundwater did not correlate with pH or
TDS. Their average values fluctuated around 2.6 mg·L−1. Water with strontium content
below the MPC was characterized by reduced saturation in relation to SrSO4 and CaSO4,
and strontium did not correlate with SIcelestite and SIgypsum. Water was supersaturated in
CaCO3, CaMg(CO3)2, and SrCO3; as its supersaturation decreased, the strontium content
in water also decreased.

Strontium concentrations in strontium-poor groundwater also did not correlate with
major groundwater ions. The concentrations of most ions were noticeably lower than in
groundwater with a high content of strontium. The exceptions are bicarbonate ions and
calcium. The SO4

2− content was most significantly reduced (Figure 8c), and there was no
dependence of strontium concentrations on sulfate (r = –0.36, p = 0.34), which indicates
the formation of strontium due to leaching of discretely distributed small inclusions of
SrSO4 and CaSO4. Chloride and sodium concentrations were also reduced, indicating
less upwelling of the salty groundwater. But assessments of its influence showed that the
upwelling effect of brackish waters on increasing strontium concentrations is significant
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(44%) [56]. The dedolomitization processes had virtually no effect on Sr concentrations
(Figure 10).

Thus, the main factors characteristic of groundwater with strontium content above the
MPC (correlation of Sr with TDS and SIcelestite and SIgypsum and the effect of dedolomitiza-
tion) were not manifested in groundwater with strontium content below the MPC.

5.3. Estimation of Exposure and Human Health Risk

Data on the carcinogenicity of strontium are very limited, and there is insufficient
information to assess its carcinogenic potential due to the lack of adequate studies on
long-term chronic exposure [57].

The assessment of non-carcinogenic risk to human health from contact with ground-
water was carried out in accordance with the procedure described by the US Environmental
Protection Agency [33,57,58]. A deterministic approach was used for two routes of exposure
(ingestion and water through the skin) to two subpopulations (adults and children). It is
important to emphasize that strontium is not volatile, thus inhalation exposure is not likely,
and therefore inhalation was not included in the risk assessment models in this study.

The methodology for assessing exposure and risk to human health, as well as the
main parameters and values used for deterministic exposure calculations, are provided in
Section S4 Supplementary Materials.

The calculation results are shown in Figure 12:

 
Figure 12. Hazard index (HI) to assess the overall non-carcinogenic health risk from combined
ingestion and skin exposure of investigated fresh drinking waters.

Values of HI lower than one indicate no significant non-cancer health risk. Values of
HI greater than one depict an existing likelihood of non-cancer health effects occurring and
the probability increases as the values rise (see Section S4 Supplementary Materials).

Children in the area are most vulnerable to risks. Fifty percent of the wells contain
water that is dangerous for consumption by children of about nine years of age weighing
30 kg. For younger children, the situation is even worse.

For adults weighing up to 70 kg, water from about a third of the studied wells
is dangerous.

6. Conclusions

The purpose of this research was to determine natural factors that contribute to main-
taining the standard quality of fresh drinking groundwater in areas with high strontium
content. The results showed that:
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(1) For waters with strontium concentrations above the MPC, the following features
are characteristic:

• Correlations of strontium with TDS and saturation indices for celestite and
gypsum, indicating the formation of these waters in sediments with high contents
of celestite and gypsum.

• An increase in strontium–calcium and magnesium–calcium ratios during the period
when groundwater is in the aquifer, associated with the process of dedolomitization.

• Correlation of strontium concentrations with the concentrations of the main ions,
except for calcium.

• Reducing conditions in the aquifer, indicating difficult water exchange in the
aquifer, promoting the preservation of strontium-containing minerals.

(2) For waters with strontium concentrations below the MPC, the following features
are characteristic:

• Strontium concentrations do not correlate with TDS, SIcelestite, and SIgypsum,
indicating the formation of water in sediments with discretely located small
inclusions of celestite and gypsum.

• The processes of dedolomitization practically do not affect the growth of stron-
tium concentrations.

• Oxidizing conditions and active water exchange in the aquifer are favorable for
the formation of water with standard quality.

In general, areas of development of groundwater of a Ca-HCO3 composition with re-
duced values of the total content of dissolved substances and increased values of the oxidation-
reduction potential will be favorable for obtaining drinking water of standard quality.

The assessment of non-carcinogenic risk to human health from contact with ground-
water has shown that children in this area are currently the most vulnerable to risks.
Fifty percent of wells contain water that is dangerous to drink.
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on compositions of drinking groundwater in the North-West of Russia; S4. Estimation of exposure
and human health risk; Figure S1. Histograms (a) all 17 samples, (b) 9 samples with strontium
contents less than 7 mg/L, (c) 8 samples with strontium contents more than 7 mg/L; Figure S2.
Plots of the radiocarbon/residence time in the fresh groundwater Pearson model (a), Ferronsky
model (b), and Vogel model (c); Figure S3. Plots of the U concentration in the fresh groundwater
vs. Eh (a), pH (b), 14C (c), 234U/238U (d), TDS (e), Na2+ (f). (Ox)—oxidizing conditions in the
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− (a), Ca2+ (b), SO4
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Abstract: Soil salinization is a major factor impacting global crop yields. To explore the spatial
distribution and influencing factors of soil water and salt in typical canals of the Hetao irrigation
district, regional soil information was monitored at fixed locations. In this study, classical statistics,
geostatistics, and spatial autocorrelation methods were used to conduct quantitative analyses of soil
salt content, water content, soil particle size distribution, and groundwater depth. The variation
coefficient of the soil salt content in the 20–40 and 40–60 cm soil layers was between 10% and 100%,
which corresponds to a medium degree of variation; the other soil layers had strong degrees of
variation. The soil moisture content in each layer varied moderately. The gold coefficients of soil
salt content and water content were less than 0.25, and the Z value was greater than 0, showing
a strong spatial correlation and certain spatial agglomeration characteristics, which were mainly
affected by structural factors in the study area. The distribution patterns of soil water and salt were
affected by soil particle size. Sand content decreased with increasing depth, soil salt was negatively
correlated with sand content, and soil water was positively correlated with sand content. Soil salinity
was significantly affected by groundwater depth and increased with decreasing groundwater depth,
following an exponential relationship. When the groundwater depth exceeded 1.7 m, the soil salt
content exhibited small changes with groundwater depth. The results of this study could play a
guiding role in terms of understanding the degree of soil salinization surrounding canals in the Hetao
irrigation area and adjusting land management strategies over time.

Keywords: salinization; soil particle diameter; spatial variations; groundwater depth; ordinary Kriging

1. Introduction

As the global food demand and the world population rapidly increase, cultivated soil
conditions are gradually deteriorating, leading to a decline in its potential [1–3]. Soil salin-
ization is a major factor affecting global crop yield reduction; more than 8 × 108 hm2 of land
worldwide is affected by salinization, accounting for more than 6% of the total land area [4,5].
Currently, about 20% of arable land is salinized due to unscientific agricultural practices, and
it is projected that by 2050, half of the world’s arable land will be affected by salinization.
Thus, there is a pressing need to better understand soil salinization processes and develop
agricultural practices that will enable the production of the necessary amount of food to feed
humanity while minimizing soil salinization and other degradation processes [3,6].

The main causes of soil salinization in coastal areas were found to be the intensive ex-
ploitation of aquifers and the continuous rise of sea level leading to seawater intrusion [7,8].
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In contrast, the Hetao irrigation area in Inner Mongolia was identified as a typical saliniza-
tion mega-irrigation area in the middle and upper reaches of the Yellow River. This area is
situated in an inland arid region with low rainfall and high evaporation (the evaporation
ratio in this region exceeds 10), resulting in significant salt accumulation [9,10]. Since
the 1960s, extensive scientific studies and preventive measures have been undertaken by
domestic and foreign scholars regarding water and salt migration, salinization prevention,
and environmental effects [11,12]. One approach utilized to address the issue of saline
water intrusion in coastal areas involves the abstraction–recharge process [13]. Additionally,
in the Hetao irrigation area of Inner Mongolia, measures such as improving canal head
engineering and implementing mandatory water-saving measures have been adopted [14].
While these actions enhance water supply security, they can disrupt the regional water bal-
ance system and impact the hydrological cycles of farmland within the irrigated area, thus
profoundly affecting regional agriculture. Hence, conducting a quantitative study on the
spatial distribution of soil salt is crucial in order to discern the patterns of soil salinization
change. Such research carries significant implications for the scientific management and
rational utilization of saline land [15–18].

Based on classical statistical theory and geostatistical theory, there have been numerous
research studies and applications focused on the theory of regional spatial variation [19].
These studies have explored the heterogeneity and spatiotemporal variability of the riparian
undercurrent zone. However, it is important to note that the current methods employed
only capture the variability of sediment hydraulic conductivity in the riparian undercurrent
zone through calculated values using functions, while they are unable to provide a detailed
representation of the spatial variability. Multi-fractal analysis has been used to reveal the
changing trends of soil moisture content and conductivity and multi-scale soil properties
in small areas [20,21], with several studies indicating that soil does not possess ideal
fractal characteristics. Instead, it only exhibits fractal characteristics within specific spatial
scales. However, studying soil salinization at large scales requires significant manpower
investment and time costs. With the development of geographic information technology,
remote sensing technology, and machine learning methods, landscape changes caused by
salinization in a region can be more efficiently and directly reflected [22]. This advancement
is convenient for studying the macro-level causes of this phenomenon. In recent years,
studies have shown that the spatial interpolation method provides good accuracy in
predicting soil salinity [23]. But it has been found to have shortcomings in quantifying the
degree of spatial correlation. To overcome this limitation, researchers have turned to the
use of Moran’s I index in spatial clustering recognition methods. This index has proven
to be effective in reflecting the overall degree of spatial correlation and evaluating the
significance of independent locations [24]. However, in the context of the modernization of
irrigation areas, existing studies have mostly focused on the spatiotemporal variations in
soil salinity at the irrigation and farmland scales; there is a lack of medium-scale studies [25].
Moreover, because soil properties are dominated by continuous changes in space, certain
spatial structural features can only be displayed at specific sampling scales. Small-scale
research should not be blindly extrapolated to a larger scale [26]. Zhang Wencong [14]
quantitatively studied the dynamic changes in farmland soil water and groundwater in
different irrigation periods at the canal level in the Hetao irrigation district using the water
balance method but did not reveal the spatial characteristics or rules of salt variation in
different soil layers.

Identifying the spatial variation characteristics and distribution patterns of water
and salt in the Hetao irrigation area at the canal scale could allow for the creation of
a basic reference system to reveal the spatiotemporal dynamic characteristics and scale
transformation features of soil attributes. In this study, typical canals in the Hetao irrigation
district were selected as the study area, and the spatial distribution patterns of soil water and
salt were evaluated after spring irrigation and at an early stage of crop growth. The degree
of soil salinization within a typical canal was determined to provide scientific guidance for
subsequent accurate improvement and sustainable development of saline-alkali land.
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2. Materials and Methods

2.1. Overview of the Study Area
2.1.1. Physical Geography and Climatic Conditions

The research area is located in Wuyuan County, Bayannaoer City, Inner Mongolia
Autonomous Region, China (41◦6′44′′ N–41◦7′41′′ N, 108◦19′48′′ E–108◦20′49′′ E). Its ge-
ographic location is shown in Figure 1. From the Yihe trunk canal in the south, to the
highway in the north, to a new canal in the east, and to the left second branch canal in the
west, the terrain is relatively flat. This area is 1022–1025 m above sea level and covers an
area of 2.344 km2. Corn, sunflowers, beets, and tomatoes are grown in this area. Its annual
average solar radiation is 153.44 cal/cm2, its annual sunshine duration is 2702 h, its average
temperature is 17.76 ◦C, its accumulated temperature is 3569 ◦C, its frost-free period is
117–136 days its average annual amount of rainfall is 153.1 mm, and its average annual
groundwater depth is 1.86 m; it has a middle-temperate continental climate. The area’s
average soil organic matter content is 9.5 g/kg, and its total nitrogen content is 1.2 g/kg.
The meteorological data used in this study were obtained from the National Meteorological
Information Center and are shown in Figure 2.

 

Figure 1. The distribution of the study area and sampling points.
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Figure 2. Rainfall and temperature during the growth period of 2022.

2.1.2. Hydrogeological Framework

According to the geological survey, the Hetao Irrigation District is a Mesozoic–Cenozoic
fault basin that formed in the late Jurassic. It is part of the Ordos platform syncline of the
North China Platform in terms of its geological structure (Figure 3a). The sediments in the
irrigation area are mainly derived from the river sediments of Langshan and the ancient
Yellow River. According to its sedimentary structural conditions, an alluvial lake aquifer
system with a fine-grained phase as its main component was formed in the Hetao Basin.
The sediment particles are mainly medium-grain sand and coarse sand. The groundwater
flows from west to east, with a large permeability coefficient and strong runoff conditions.
As shown in Figure 3b, the aquifer in the irrigation area has complex geometry and multi-
layer overlap. On the basis of Quaternary stratification, the hydrogeological characteristics
of the aquifer, and its development and utilization value according to its burial conditions,
it is divided into Upper Pleistocene (Qp3)–Holocene (Qh) and Middle Pleistocene aquifer
systems (Qp2). The Qp3-Qh aquifer has the greatest thickness and the widest distribution.
The Qp2 aquifer is widely distributed in the piedmont and uplift areas, and its burial depth
is relatively shallow.

2.2. Sampling Point Layout and Data Acquisition
2.2.1. Sampling Point Layout

Monitoring points were arranged in accordance with a 200 × 200 m grid in the test area,
and 52 soil-water- and -salt-sampling points were slightly adjusted for the special terrain
and features (Figure 1). Sampling began in April 2022, when the maize and sunflowers
were at the seedling stage. The field coordinates were determined using a handheld global
positioning system, and the sampling depth ranged from the surface to a depth of 100 cm.
The total sampling depth was divided into six layers (0–10, 10–20, 20–40, 40–60, 60–80, and
80–100 cm), and the excavated samples were collected by layer with a soil drill (stainless
steel 1 m) and placed in sealed bags.
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(a) Hydrogeological profile (b) Aquifer schematic diagram 

Figure 3. Schematic diagrams of hydrogeological conditions in Hetao Irrigation District.

2.2.2. Data Measurements

A drying method [27] was used to determine the soil moisture content, and soil
conductivity was measured simultaneously. After air drying and grinding, the conductivity
of the soil extract in a 1:5 ratio of soil to distilled water was tested using an electrical
conductivity meter (INESA DDS-307A, Shanghai, China) after being passed through a
2 mm screen [28]. The depth of the groundwater was measured every seven days using the
plumb–plumb method [14].

2.2.3. Soil Texture

A laser particle size analyzer was used to test the particle size distributions of the
ground and sieved soil samples (HELOS & RODOS, Sympatec, Clausthal, Germany). The
U.S. Department of Agriculture soil particle grading standard [29,30] was used for the
analysis. The soil particle sizes were divided into clay (0–2 μm), silt (2–50 μm), and sand
(50–2000 μm). The soil textures in the study area were divided into five categories: loam,
sandy loam, silty loam, and silty loam (Figure 4).

Figure 4. Soil textures in the study area.
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2.3. Research Methods
2.3.1. Semi-Variance Function

The semi-variance function is a basic tool used in geostatistics [31]. The spatial
variation structure of the regionalized variable is represented by half of the variance
between sampling points and is calculated as follows (1):

γ(h) =
1

2N(h)

N(h)

∑
i=1

[Z(xi)− Z(xi + h)]2 (1)

In Formula (1), N(h) is the lag distance equal to the logarithm of point h; Z(xi) is
the measured value of the variable at point xi; and Z(xi + h) is the measured value of the
variable deviating from h at point xi.

The fitting accuracy of the semi-variance function was characterized using the de-
termination coefficient (R2) and residual sum of squares (RSS), in which R2 was between
0 and 1; the larger the value, the better the fitting effect. The smaller the RSS value, the
better the simulation effect [32].

2.3.2. Ordinary Kriging

Kriging, or spatial local interpolation, is an unbiased optimal estimation method for
regionalized variables in a limited region. It utilizes semi-variance theory and structural
analysis, making it a key component of geostatistics [1]. Suppose there are n measurement
points in the neighborhood of the estimation point x0, that is, x1, x2,. . ., xn; accordingly, the
ordinary Kriging formula used was as follows:

Z(x0) =
n

∑
i=1

λiZ(xi) (2)

In Formula 2, Z(xi) is the observation value selected for Kriging near the estimate
point x0; Z(x0) is the Kriging estimate at x0; and λi is the weight of the ith observation with
respect to the estimated point x0, which is obtained from the Kriging equations established
via the semi-variance function.

Testing the normal distribution of data has the same premise as using the Kriging
method for the spatial analysis of soil characteristics. The Kriging method is effective
only when the analyzed data follow a normal distribution; otherwise, there may be a
proportional effect. After conducting the Kolmogorov–Smirnov test, it was found that the
soil salt content and water content datasets did not conform to a normal distribution; after
natural logarithm conversion, they showed an approximate normal distribution, which
met the requirements of geostatistical analysis. Therefore, the data adopted for variance
function calculations were obtained after logarithmic conversion [33].

2.3.3. Spatial Autocorrelation Method

Spatial autocorrelation analysis, derived from biometrics, is a spatial statistical method
that tests for significant spatial dependence between sample elements and describes the
spatial distribution of geographical phenomena in a study area. This is the premise behind
and basis of linear regression analysis [34]. This method was carried out with the spatial
autocorrelation index Moran’s I, which was used to analyze the spatial autocorrelation of
soil salinity. The formulae used are as follows:

I =
∑n

i=1 ∑n
j=1 wij(xi − x)

(
xj − x

)
S2∑n

i=1 ∑n
j=1 wij

(3)

s2 =
1
n

n

∑
i=1

(xi − x) 2 (4)

94



Water 2023, 15, 3342

In Equations (3) and (4), I is the spatial autocorrelation index, and wij is the spatial
weight matrix between regions i and j. This study was based on the first-order ROOK
weight matrix of the common boundary, where the adjacent space is 1 and the non-adjacent

space is 0. xi is the observed value of a variable [1] at sample point I,
−
x is the mean value of

the variable, xj is the observed value at sample point j, s2 is the variance of the variable,
and n is the total number of variables. Moran’s I was converted to a standard normal
distribution using the following formula:

Z(I) =
1 − E(I)√

var(i)
(5)

In Formula (5), E(I) is the theoretical expected value, and var(i) is the variance. When
Z(I) = 0, that is, when I is equal to its mathematical expectation, the observed values show
an independent random distribution, corresponding to Moran’s I scatter plot. The observed
values were evenly distributed in four quadrants but were not significant in the Local
Indicators of Spatial Association (LISA) cluster plot. When Z(I) > 0, there is a positive
spatial correlation in the region, corresponding to the distribution of observed values in
quadrants 1 and 3 on the Moran’s I scatter plot and spatial similarity in the LISA cluster plot.
When Z(I) < 0, there is a negative spatial correlation within the region, which corresponds
to the distribution of observed values in quadrants 2 and 4 on Moran’s I scatter plot and
presents spatial heterogeneity in the LISA cluster plot [35].

2.4. Data Processing and Analysis

Origin (2018, OriginLab, Northampton, MA, USA) software was used to analyze the
data and draw maps, and GS + 9.0 (Youwan Technology, Beijing, China) software was used
to perform logarithmic transformation on data sources that did not conform to a normal
distribution. A semi-variance function model was obtained after calculation, simulation,
and testing. In ArcGIS (10.8, Esri, CA, USA ) software, ordinary Kriging interpolation was
used to draw spatial distribution characteristic maps of the soil salinity and groundwater
depth. The spatial analysis module of Geoda (1.20.0.36, Luc Anselin, Chicago, IL, USA)
software was used to calculate Moran’s I index and Z value and to draw a Moran’s I index
scatter plot.

3. Results and Analysis

3.1. Analysis of Soil Salinization Characteristics

Based on the data from the samples collected on 8 June 2022, we conducted a classical
statistical analysis of the salt and water content of the soil layers at 0–10, 10–20, 20–40, 40–60,
60–80, and 80–100 cm. The corresponding statistical characteristics are listed in Table 1.
Overall, the average soil moisture content of each layer increased with increasing depth.
The average soil salt content decreased with increasing depth in the surface layers (0–40 cm)
and increased with increasing depth in the deep layers (40–100 cm). The ratios of the
maximum to minimum salt content in each soil layer were 99.06, 34.00, 21.98, 20.86, 38.46,
and 39.92 in the 0–10, 10–20, 20–40, 40–60, 60–80, and 80–100 cm layers, respectively, while
the variation in salt ranges were 50.01, 17.16, 10.70, 10.92, 22.10, and 25.69 g/kg, respectively.
There was an evident accumulation of surface soil salt, and the soil salt variability was high
in the vertical direction.

It is generally believed that when the coefficient of variation is less than 10%, there is
weak variability, while values of 10–100% indicate moderate variability and those greater
than 100% indicate strong variability. The coefficient of variation of the soil salt content
in each layer was strong, except in the 20–40 and 40–60 cm soil layers. The soil moisture
content in each layer had a moderate degree of variation. The variation coefficients of
soil salt content and soil water content in the 0–60 cm soil layer decreased layer by layer,
indicating that the spatial variability of soil water and salt decreased with increasing soil
depth. This may have been due to the influence of factors affecting the spatial variations
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of the soil water and soil salt content (such as climate, soil texture, and human activities)
weakening with increasing soil depth. In addition, the coefficient of variation of the soil salt
content was higher than that of the soil water content at the same depth, indicating that the
spatial variability of the soil salt content was stronger than that of the soil water content.

Table 1. Statistical analysis of soil salinity.

Depth/cm Minimum Maximum
Average

Value
Standard
Deviation

Variance Skewness Kurtosis
Coefficient of
Variation/%

Soil salt
content
(g/kg)

0–10 0.51 50.52 4.64 8.11 65.77 4.41 21.96 1.75
10–20 0.52 17.68 2.90 2.94 8.67 2.89 11.57 1.01
20–40 0.51 11.21 2.58 2.21 4.89 2.19 5.22 0.86
40–60 0.55 11.47 2.95 2.26 5.09 1.68 3.19 0.77
60–80 0.59 22.69 3.63 4.12 16.95 3.05 11.13 1.13
80–100 0.66 26.35 3.59 4.03 16.20 3.89 19.93 1.12

Soil
moisture

content (%)

0–10 13.71 44.65 21.12 4.84 23.43 2.68 10.72 0.23
10–20 15.60 38.54 22.94 3.68 13.56 1.56 5.79 0.16
20–40 8.06 31.98 24.19 3.64 13.28 −1.61 6.76 0.15
40–60 10.76 54.74 26.48 5.79 33.47 1.88 12.58 0.21
60–80 13.42 62.92 28.48 6.77 45.89 3.25 14.75 0.23
80–100 22.17 69.21 20.01 7.10 50.37 4.24 21.34 0.35

Analysis of soil salt and moisture content using traditional statistical methods can only
be used to summarize soil conditions. It cannot reflect the characteristics impacting local
change; that is, it can produce an estimate of the overall situation, but cannot quantitatively
describe the randomness, structure, independence, or correlation of the distribution of soil
salt and water. To solve these problems, it is necessary to use further geostatistical methods
to analyze and discuss the structure of spatial variation [33].

3.2. Analysis of Spatial Variation Characteristics of Soil Salinization

The geostatistical analysis module of GS + 9.0 software was used to carry out a
semi-variance function analysis of salt and water content. The specific fitting results and
parameters are listed in Table 2. The salt and water proportions of each layer of soil were
well fitted by the index model, with an RSS range of 3 × 10−6–0.127 and an R2 range of
0.419–0.927, both of which reached significant levels. The ratio of the bullion value (C0)
to the abasement value (C0 + C) is the bullion coefficient; the size of the bullion value
indicates the degree of spatial correlation between soil properties. A bullion coefficient
of less than 0.25 indicates a strong spatial correlation that is mainly affected by structural
factors (climate, parent material, terrain, and soil type). A bullion coefficient between
0.25 and 0.75 indicates a moderate special correlation that is affected by structural and
random factors. A bullion coefficient greater than 0.75 indicates a weak spatial correlation
that is mainly affected by random factors (fertilization, tillage measures, planting systems,
and other human activities). A bullion coefficient close to 1 indicates that there is constant
variation across the entire scale [23]. The coefficients for salt content in the 0–60 cm soil
layer ranged from 0.001 to 0.223, showing a strong spatial correlation that was mainly
affected by structural factors. The bullion coefficient for the soil water content ranged from
0.001 to 0.031, showing a strong spatial correlation. In this study, the spatial variation of
soil salt and water content was mainly affected by structural factors.

3.3. Soil Salt Content and Water Content Are Spatially Autocorrelated

To further study the degree of spatial dependence and the local distribution pattern
of soil salinization in the test area, the test area was latticed at a scale of 200 × 200 m
to improve research accuracy. As shown in Figure 5, Moran’s I was used as an index to
measure the spatial autocorrelation of soil salt content (SSC) and soil moisture (SM). The
Geoda platform was used to analyze the global and local spatial autocorrelation of soil salt
content and conductivity, and a Moran’s I scatter plot was obtained.

96



Water 2023, 15, 3342

Table 2. Semi-variance function types and model parameters of salinity factors in saline soil.

Index Depth/cm Model Nugget (C0) Sill (C0 + C)
Partial Sill
C0/(C0 + C)

RSS R2 Range/km

Soil salt
content

0–10 Exponential 0.019 1.763 0.011 0.102 0.927 0.031
10–20 Exponential 0.032 0.826 0.039 0.069 0.826 0.018
20–40 Exponential 0.086 0.639 0.135 0.072 0.721 0.015
40–60 Exponential 0.133 0.596 0.223 0.089 0.546 0.011
60–80 Exponential 0.001 0.752 0.001 0.127 0.419 0.004

80–100 Exponential 0.113 0.675 0.167 0.012 0.663 0.005

Soil
moisture
content

0–10 Exponential 0.0002 0.047 0.004 0.0003 0.799 0.012
10–20 Exponential 0.001 0.029 0.031 0.0001 0.764 0.015
20–40 Exponential 0.010 14.940 0.001 0.001 0.619 0.009
40–60 Exponential 0.001 0.636 0.002 0.291 0.856 0.034
60–80 Exponential 0.0001 0.043 0.002 0.001 0.679 0.008

80–100 Exponential 0.0001 0.036 0.003 0.0003 0.731 0.008

Figure 5. A grid map of the study area.

To further study the degree of spatial dependence and the local distribution patterns of
soil salinization in the test area, the test area was latticed at a scale of 200 × 200 m to improve
research accuracy. Table 3 presents the statistical results of the indicators from each layer of
saline soil compared with Moran’s I at a water content depth of the same soil layer. The salt
content in the 0–100 cm soil layer ranged from 0.09 to 0.19, and the Z value ranged from 1.59 to
2.62. Moran’s I and Z values of the soil water content ranged from 0.43–0.48 and 5.51–5.85,
respectively. The Z values of the overall soil salt and water content in the test area were both
greater than 0 (p < 0.05), and the spatial positive correlation was highly significant among all
soil layers, indicating that the soil salt and water content had a strong spatial dependence.
As presented in Figures 6 and 7, there was a positive correlation between the salt content in
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the 0–100 cm soil layers, but the accumulation phenomenon was not significant relative to
the moisture content. Except for one sample point, the scattered points of most of the sample
points fell in the first and third quadrants, indicating a spatial agglomeration trend. These
results show that the spatial distribution of the soil salt and water content in the test area was
not random but regular, showing specific spatial agglomeration characteristics; these spatial
agglomeration characteristics were determined by the spatial heterogeneity of the structural
factors in the areas in which the sample points were located. The Geoda platform was used to
analyze the global and local spatial autocorrelations of soil salt content and moisture, and a
Moran’s I scatter plot was obtained.

Table 3. Statistics of indicators of each layer of saline soil.

Depth/cm

Moran’I Z P

Soil Salt
Content (g/kg)

Soil Moisture
Content (%)

Soil Salt
Content (g/kg)

Soil Moisture
Content (%)

Soil Salt
Content (g/kg)

Soil Moisture
Content (%)

0~10 0.16 0.46 1.61 5.61 <0.05 <0.05
10~20 0.11 0.46 1.58 5.64 <0.05 <0.05
20~40 0.09 0.46 1.55 5.58 <0.05 <0.05
40~60 0.16 0.48 2.14 5.85 <0.05 <0.05
60~80 0.19 0.43 2.62 5.21 <0.05 <0.05

80~100 0.10 0.45 1.84 5.51 <0.05 <0.05

 
0–10 cm 10–20 cm 

 
20–40 cm 40–60 cm 

Figure 6. Cont.
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60–80 cm 80–100 cm 

Figure 6. Moran’s I scatter plots of the soil salt content.

 
0–10 cm 10–20 cm 

 
20–40 cm 40–60 cm 

Figure 7. Cont.
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60–80 cm 80–100 cm 

Figure 7. Moran’s I scatter plots of the soil moisture content.

3.4. Spatial Distribution Characteristics of Soil Salt and Water Content

The optimal fitting model and parameters are listed in Table 2. The semi-variance
function types and model parameters of the salinity factors in saline soil and the results
obtained via ordinary Kriging interpolation are shown in Figures 8 and 9, respectively.
From the perspective of spatial distribution, areas with high soil salt content appeared in
the wasteland in the transition from cultivated land to villages in the northeast of the study
area and the unseeded cultivated land in the southwest of the study area. Areas with a
low soil salt content were distributed in the northwest and southeast of the study area
where the salt content in the surface and deep soil samples was significantly different. This
difference was likely due to the lack of vegetation cover and shallow groundwater depth in
these areas. Capillary water in the vadose zone rises under the prolonged action of strong
evaporation, and soluble salts in the deep soil and groundwater are brought to the surface,
resulting in increased salinity. Fields in the northeast and southwest were irrigated and
planted in mid-May, resulting in relatively low salinity.

 
0 10 cm 10–20 cm 

Figure 8. Cont.
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20–40 cm 40–60 cm 

  
60–80 cm 80–100 cm 

Figure 8. The spatial distribution of the soil salt content.
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Figure 9. Cont.
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20–40 cm 40–60 cm 

  
60–80 cm 80–100 cm 

Figure 9. The spatial distribution of the soil moisture content.

According to the classification standard for salinized soil [23], soil is divided into
non-saline (salt content less than 2 g/kg; secure crop growth), mildly saline (salt content
of 2–3 g/kg; mild crop inhibition), moderately saline (salt content of 3–6 g/kg; moderate
crop inhibition), severely saline (6–10 g/kg; severe crop inhibition), and saline soil (salt
content greater than 10 g/kg; a crop-damaging amount of salt). As shown in Figure 10a,
the proportion of areas with different salt and water levels ranges in the different soil layers
in the test area increased layer by layer by 18%. The soil salt content increased by 9% layer
by layer from 0 to 40 cm in the soil with a salt content of ≤2 g/kg and by 2% and 6% for the
soil with a salt content of between 2 and 3 g/kg, respectively. The areas with a 3–6 g/kg soil
salt content were 33%, 29%, and 15% decreased layer by layer, respectively. Severely saline
soils with 6–10 g/kg soil salt content appeared at the soil layers of 0–10 cm and 10–20 cm,
accounting for 12% and 1% of samples, respectively. A soil salt content of >10 g/kg was
only observed in samples at a depth of 0–10 cm, accounting for 5% of the total area and
located mostly in the local wasteland in the transition area from cultivated land to villages.

As shown in Figure 10b, with an increase in soil depth, soil water content gradually
increased. Low-water-content areas of 13% to 20% occurred in the 0–10, 10–20, 20–40, and
40–60 cm soil layers, accounting for 33%, 3%, 2%, and 6% of the total land, respectively.
The proportions of the area with a water content of 20–25% were 60%, 82%, 60%, 18%, 3%,
and 1%, respectively. The proportions of the area with a water content of 25–33% were 6%,

102



Water 2023, 15, 3342

15%, 38%, 74%, 89%, and 92%. The high-value area with a water content greater than 33%
was located in deep soil, and a change in the area’s proportions was not evident [24,36].
Sampling was carried out at the beginning of the growth period in this experiment, and
groundwater and its salt moved upward continuously due to strong evaporation, which
was the main source of the recharge of the soil water and salt content in the study area.

  
(a) Soil salt content (b) Soil moisture content 

0-10 cm

10-20 cm

20-40 cm

40-60 cm

60-80 cm

80-100 cm

0 20 40 60 80 100

23% 27% 33% 12% 5%

1%41% 29%29%

15%35%50%

22% 64% 14%

59% 17%24%

26%62%

 Soil salt content (g/kg)

Area percentage (%)

 <2   2–3   3–6   6–10   >10 

12%

0-10 cm

10-20 cm

20-40 cm

40-60 cm

60-80 cm

80-100 cm

0 20 40 60 80 100

1%6%60%33%

3% 82% 15%

60%2% 38%

2%6% 74%18%

7%

89%3%

92%1%

Soil moisture content(%)

Area percentage(%)

 <13   13–20   20–25   25–33   >33

8%

Figure 10. The proportionate areas of different soil salt and water content intervals in different layers.

3.5. Effect of Groundwater Depth on Soil Salt Content in Different Layers

This study shows that soil salt content and soil salinization status are greatly affected
by the depth of groundwater. The shallower the groundwater level, the greater the evapo-
ration and the more serious the soil salt accumulation. The soil salt content was lower in
areas with deeper groundwater levels. This shows that the groundwater depth in the study
area restricted the soil salt content (“salt comes with water, salt goes with water”), and soil
salt is transported to the surface soil layer by groundwater through the process of evapora-
tion. In addition, in some parts of the study area, spring irrigation significantly impacted
groundwater depth, resulting in shallow groundwater levels. Even if the groundwater salt
content is low, more water will be carried via evaporation into the soil, resulting in soil salt
accumulation. Therefore, the soil will not be salinized if the groundwater is controlled at a
depth that does not allow salt to enter the shallower soil through evaporation.

The spatial distribution of shallow groundwater depth in the study area is shown in
Figure 11 through interpolation. It can be observed that the groundwater depth changes
significantly before and after spring irrigation. The groundwater burial depth on the side
of the new channel is obviously less than that on the side of the second channel on the
left, likely due to the fact that only some farmers in the area use the new channel for
spring irrigation. Furthermore, the drainage ditches in the study area have an impact on
the change in groundwater burial depth. Figure 11 demonstrates that the groundwater
burial depth in the right region of the study area decreases rapidly, in part, after spring
irrigation. This test also reveals that the groundwater burial depth of the drainage ditches
exhibits a similar trend of change, indicating its effective role in drainage. In terms of water
quality, the EC value of the water in the ditch before spring irrigation was 2.7 dS/m, which
increased to 3.5 dS/m after spring irrigation, resulting in a 29.6% increase in salt value.

Through an analysis of the relationship between soil salinity and groundwater depth,
we observed that with shallower groundwater depths, the relationship between the two
became exponential (Figure 12); the correlation was good, the R2 value was no less than
0.9421, and the fitting degree of these two values was high. Guan Xiaoyan [36,37] found
that the local groundwater depth in the area of the present study was greater than 1.5 m.
When the electrical conductivity value was less than 0.8 dS/m, the yield of corn, wheat,
and sunflower was not affected [22]. When the underground water depth was between
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1 and 1.7 m, the soil salt content changed greatly with the underground water depth. When
the underground water depth was greater than 1.7 m, the overall soil salt content was low,
and the salt content of each layer changed slightly. Therefore, to effectively control soil
salinization, the underground water depth should be maintained below 1.7 m.

(a) Before spring irrigation (b) 7 days after spring irrigation 

 
(c) 14 days after spring irrigation 

Figure 11. Groundwater depth in different periods in the study area.
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Figure 12. The relationship between soil salt content and groundwater depth.
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4. Discussion

4.1. Variability Mechanism of Soil Water and Salt

According to the classical statistical analysis of the soil salt factors in the study area,
there is an obvious phenomenon of surface accumulation in the surface soil [12]. The
soil water content increases layer by layer in the 0–40 cm deep soil layer, while the soil
salt content decreases layer by layer. From the perspective of salt content variation, the
maximum salt content of the surface soil is 99 times greater than the minimum value, with
a variation range of 50.01 g/kg. This is due to the study area being located in arid and
semi-arid regions in the Hetao irrigation area, with high groundwater levels and little
rainfall. In this area, spring irrigation is usually used to “wash salt” before crop planting.
However, the leaching of salt is limited when irrigation water infiltrates the soil. As a result,
when the downward leaching reaches a certain depth, pore water flow reverses upward to
supplement the evaporation requirement after irrigation stops. This causes salt to gather
on the soil surface again, forming a high-salt zone with strong variability, which aligns
with the research conclusions of some scholars in the Hetao irrigation district [37,38].

According to the results of the geostatistical analysis of the study area, soil water and
salt in the 0–100 cm soil layer showed a strong spatial correlation, primarily influenced by
structural factors. The irrigation areas in Hetao primarily rely on yellow water diversion,
which has a high salinity, thereby resulting in the mixing of soil ions. Consequently, the
chemical composition of groundwater is altered, and the precipitation behavior of certain
minerals, particularly carbonate minerals, is induced. Such behavior impacts the pore
microstructure of the soil and leads to changes at the macroscopic scale such as alterations
in soil particle size distribution [8]. This study’s findings demonstrate a decrease in soil
salinity as the sand content increases, whereas an increase in soil salinity is observed with
higher clay and silt content [3]. The relationship between soil water and soil clay is negative,
whereas it is positive for clay and silt content. This is mainly due to the large surface area
of soil clay and silt, which constitute the active segment of the soil, facilitating effective
water penetration and solute leaching [39,40]. Conversely, sand is relatively inert, thus
impeding deep seepage and solute transport. This circumstance promotes an increase in
the reaction surface area and the production of more mineral precipitation [41]. Maize and
sunflowers were the primary crops planted in the study area. Although crop cultivation
and management in the area were performed relatively scientifically (mulching, formula
fertilization, etc.), the soil organic matter content in the study area was only 9.5 g/kg,
meaning the soil had insufficient fertility. Considering the local situation, this cultivated
land should probably be subjected to a straw-crushing treatment before future crop planting.
This treatment can effectively improve the decomposition rate of organic residues and the
synthesis rate of organic matter, promote the soil-ripening process, increase the silt and
clay content in the soil, and play a role in soil moisture conservation [42].

The results of Zhang Wencong’s quantification of the conversion between soil water
and groundwater at the scale of canals in the Hetao Irrigation District showed that the levels
of recharge of soil water into groundwater over a 2-year growth period were 207.73 mm
and 236.94 mm [14]. Thus, it can be observed that the bidirectional exchange between soil
water and shallow groundwater was frequent during the growth period. This frequent
water exchange indicates that there is significant hydrological exchange between surface
water and shallow groundwater in the Hetao irrigation area. Furthermore, it is important
to note that soil salinization generally occurs in areas where the groundwater depth is low.
This occurs when salt-rich pore water from groundwater continuously evaporates at or
near the surface, leading to salt precipitation [37]. The key to preventing soil salinization is
to control groundwater levels. Therefore, the area’s irrigation and drainage system should
be improved, and technical agricultural measures such as reasonable irrigation should
be taken to prevent the increase in the groundwater level and soil salt return. Generally,
when the groundwater depth is more than 2–3 m, the accumulation of salt generated via
soil evaporation is small [37,38]. However, the results of this study show that when the
groundwater depth is more than 1.7 m, the soil salt content is low, and the soil salt content
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changes little in each layer, which does not affect the yield of corn and sunflower in the
region. It is important to note that this area’s groundwater depth varies seasonally, so
controlling the groundwater depth in the study area is not the only standard with which
to control soil salinization. Soil salinization should be controlled in various aspects by
combining groundwater composition and other soil improvement methods [43].

4.2. Spatial Correlation of Soil Water and Salt

Kriging interpolation is the most commonly used interpolation method in geostatistics.
It can effectively estimate the attribute value of an unsampled area. Some scholars at home
and abroad have used inverse-distance-weighted interpolation to study soil spatial varia-
tion [23,24,32,44]. However, when the variation coefficient of the predicted object is large,
Kriging interpolation has higher accuracy. According to Michael J. Friedel, hydrogeological
units can generate variation functions for Kriging interpolation with sufficient support,
which can improve the spatial density of spectral remote sensing images [45]. Kriging is
the most commonly used interpolation method in geological statistics. Some scholars have
used the inverse-distance-weighted interpolation method to study soil spatial variation.
However, some studies have indicated that the accuracy of Kriging is higher when the
coefficient of variation of the predicted object is large [23,24,32,44,46–48]. The combination
of ArcGIS and geostatistics can be used to effectively monitor spatial variations in regional
soil salt factors [2,20,46–50]. Based on the regionalized variable theory, GS+9 software was
used to carry out semi-variance function fitting. We found that the spatial variation in the
soil salt and water content at the canal scale was best represented by an exponential model.
The ecological processes associated with spatial change on a small scale may be consistent
with the conclusions of some factors related to land use, such as crop type, soil texture, and
tillage methods, as reported by Guo Xudong et al. [51]. Studies have shown that if there
is a large variation in soil properties within a small spatial range, the nugget value will
be larger than the absent value, and Moran’s I index is a more robust method to use [35].
Our study area lies between the scale of an irrigation area and the scale of farmland with
flat terrain. There was no large wasteland as the object of salt discharge for the cultivated
land; therefore, it did not exhibit dry salt discharge [52], and drainage and salt discharge
depended on the drainage channels in the area. Future research should investigate how
different spatial arrangements of cultivated land and wasteland affect the spatial variability
of soil water and salt under varying irrigation and drainage conditions [53].

In this study, it was found that the spatial autocorrelation of soil water and salt at the
canal scale is good [23,24], indicating a strong dependence relationship (Figures 5 and 6).
Consequently, ordinary Kriging interpolation provides reliable results for soil environmen-
tal parameters, rendering them valuable for land salinization management. It is worth
noting that the spatial variability of soil is influenced by the variation of the sampling scale.
As the sampling scale increases, the complexity of soil water and salt variation increases,
potentially because of homogeneity at a small scale. In the future, the research scope of
spatial correlation should gradually be expanded to include varying scales, such as canals,
branch canals, and irrigation areas [2,3].

In the study area, soil water and salt showed a spatial concentration trend with a strong
dependence relationship [29,46,54,55]. This showed that the evaluation of soil salinization
is a complex problem, and factors such as crops, soil texture, canal system layout, and
groundwater should be considered [56–58]. The effects of different planting times and canal
system layouts on the spatial variation of soil salinity were investigated, and the effects of
different particle size distributions and groundwater depths on soil salinity were studied.
The timely determination of the influence of the above factors on the spatial variation
and distribution pattern of soil salinity has important reference value for soil salinization
prevention and can be used as a reference for land management departments. However,
this study only studied the spatial variation of soil water and salt at the aqueduct scale
after spring irrigation, and this information cannot be used to predict the future situation
of soil salinization in the study area. In future studies, we will study soil salinization at the
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scale of canals by analyzing groundwater ion components, different irrigation and drainage
systems, and different spatial configuration component models of cultivated wasteland.
This will provide solid technical support for sustainable agricultural development [59,60].

5. Conclusions

The strong variability of soil water and salt content in the region was indicated by the
coefficients of variation, which ranged from 0.1 to 1.0 for soil water content and from 0.77 to
1.75 for soil salt content. The index model provided a good fit for both soil water and salt,
with a strong spatial correlation observed. This was supported by the nugget coefficients,
all of which were less than 0.25. The spatial variation of soil water and salt content in the
region was primarily influenced by structural factors.

A positive spatial correlation was observed between soil water and salt, with Moran’s
I values ranging from 0.09 to 0.48. The Z values were all greater than 0, indicating a
significant relationship (p < 0.05). Furthermore, spatial interpolation revealed a well-
distributed pattern of water and salt in the study area. Moreover, a strong exponential
relationship between groundwater depth and soil salt was found. Consequently, it was
determined that the levels of soil salinization were low in the study area.

A combination of geostatistics, ordinary Kriging, and spatial autocorrelation was used
to reveal the spatial variation and distribution patterns of soil water and salt at the canal
scale. The distribution map of soil water and salt was obtained via conventional Kriging
interpolation and then divided according to a grid. Moran’s I index was used to determine
the accumulation behavior of water and salt in the soil samples at the aqueduct scale.
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Abstract: The Yellow River Delta (YRD) is the most complete wetland ecosystem in the warm
temperate zone of China and is rich in oil resources. However, with petroleum extraction and the
development of the economy, pollution of the YRD has been paid increasing attention, in particular,
pollution via polycyclic aromatic hydrocarbons (PAHs), as they have caused great harm to human
health and the ecosystem balance. Based on the investigations of a research group in 2009, this
study re-collected samples according to the same sampling points and analyzed the concentration,
composition, source, ecological risk and health risk of PAHs in 2021. The concentration of ΣPAH16 in
the surface soil of YRD in 2009 ranged from 2.6 to 8275.46 ng/g, with an average of 1744.41 ng/g. The
concentration of ΣPAH16 in 2021 ranged from 56.25 to 582.56 ng/g, with an average of 149.63 ng/g.
Therefore, the pollution situation in the YRD in 2021 was significantly improved compared with 2009.
The composition of PAHs in soil in 2009 and 2021 was similar, which was dominated by low-ring
PAHs. The evaluation results of the toxicity equivalent factor method showed that there was no
potential ecological risk in the soil in 2009 and 2021. The evaluation results of the lifetime cancer risk
increment model showed that the incremental lifetime cancer risk models (ILCRs) of soil PAHs in
2009 and 2021 were lower than the safety threshold of 10−6; therefore, there was no carcinogenic risk.
The existing management measures for oil wells need to be further promoted to protect the regional
ecological environment in the YRD.

Keywords: PAHs; the Yellow River Delta; source apportionment; carcinogenic risk; ecological
risk assessment

1. Introduction

The Yellow River Delta (YRD) is the most primitive, youngest and most complete
wetland ecosystem in the warm temperate zone of China and even the world [1]. There are
abundant mineral resources dominated by oil in the Yellow River Delta. With the in-depth
development of oil resources and the production and construction of other industries, the
ecological environment of the Yellow River Delta has also undergone great changes [2]. The
discharge of a large number of pollutants seriously threatens the safety of the ecosystem
in the region [3,4], among which the problem of oil pollution is particularly prominent.
Previous studies have shown that PAH pollution in surface water and groundwater was
low, and the soil and sediment pollution was moderate. The former pollution was mainly
from oil input and oil combustion, and the latter was mainly from wood, coal combustion
and oil input [5].
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The pollution of polycyclic aromatic hydrocarbons (PAHs) in the YRD has attracted
the attention of scholars. PAHs are a class of persistent organic pollutants that are widely
present in various environments [6]. The sources of PAHs in the environment are mainly di-
vided into natural sources and anthropogenic sources [7]. The main cause of PAH pollution
at present is anthropogenic sources, including petroleum and pyrolysis sources. The large
quantity of PAHs produced by human activities usually enter the atmospheric environment
first and then eventually converge into the soil, sediment and water environment through
surface runoff, dry and wet deposition, etc. [8]. PAHs can also be bioenriched, accumulating
and transferring into the food chain, thus increasing the risk level [9]. PAHs are not only
carcinogenic, teratogenic and mutagenic but also phototoxic [10,11], causing great harm to
human health.

Previous pollution investigations in soil and sediment have been performed in the
YRD [10,12–14]. For example, the concentration of PAHs in 61 surface soil samples from
the YRD has been studied. Results have shown that the total concentration of PAHs ranged
from 27 to 735 ng/g, with the highest concentration occurring in the central and southern
YRD, which was related to oil exploration. The PAHs in the surface soil of the YRD were
mainly from coal and biomass burning, oil leakage and/or vehicle emissions (Yuan et al.
2014). In addition, it was found that the concentration of PAHs in soil around oil wells at
different ages increased with the increase in mining time. From the source point of view,
the soil near the new oil wells was mainly polluted by oil sources, while the old oil wells
were mostly related to combustion sources [15]. The distribution of coastal sediments in
the YRD is different. The concentration of PAHs in surface sediments near the Yellow
River estuary is lower than that in the northern and southern coastal wetlands of the
YRD [16]. Other studies have found that the PAH pollution level in the Yellow River Delta
Nature Reserve is relatively low, and the potential ecological risk level is extremely low,
but there is a potential carcinogenic risk. In addition, the spatial distribution characteristics
of PAH concentration and PAH health risk value are similar, which indicates that the
carcinogenic risk of PAHs is proportional to its content [17]. These research results have
important theoretical significance for the protection of the ecological environment and the
management of the Yellow River Delta.

At present, the study of oil pollution in the YRD is mainly the result of single sampling
observations, which renders it difficult to reflect the long-term change characteristics of
pollution in the YRD. There are few studies on the distribution of PAHs and their changes
in different years in this area. Based on the research group’s survey in the Yellow River
Delta in 2009, this paper collected samples from the same sampling points to analyze
the concentration, composition, source, ecological risk and health risk of PAHs and to
understand the change in PAH pollution in the region in the recent 10 years.

2. Materials and Methods

2.1. Study Area

The Yellow River Delta is located in East China (118◦07′–119◦18′ E, 36◦55′–38◦12′ N)
(Figure 1). About 96% of its area is distributed in Dongying City, Shandong Province.
It is one of the most important wetland protection sites in the world. It is the breeding
habitat and migration transit site of rare birds in Northeast Asia and the Western Pacific.
The research area of this paper is mainly located in Xianhe Town, Gudao Town and
Huanghekou Town of Dongying City, with a total area of 2152.7 km2. Affected by the
Eurasian continent and the Western Pacific, the study area belongs to the warm temperate
semi-humid continental monsoon climate, with four distinct seasons and a hot summer
and cold winter. The annual average temperature is between 11.7 and 12.8 ◦C. The average
annual precipitation is about 530~630 mm, of which the summer rainfall accounts for more
than half of the year. The rain and heat are in the same period, which is conducive to the
growth of plants and crops and can easily cause flood disasters [18,19]. According to the
statistics of soil census data, the study area can be divided into five soil types: cinnamon soil,
saline soil, fluvo-aquic soil, mortar black soil and paddy soil, among which fluvo-aquic soil
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and saline soil account for 95% of the total soil area. The YRD is rich in natural resources,
with a large number of brine, oil and gas, geothermal, mineral and other resources. It is an
important energy base in China [20].

Figure 1. Locations of sampling sites in the study area of the Yellow River Delta.

2.2. Sample Collection

The soil samples in this study were collected in July 2021, and the collection areas were
mainly concentrated in Xianhe Town, Gudao Town and Huanghekou Town of Dongying
City. The sampling points were collected in accordance with the sampling points of the field
survey conducted in 2009 around the wells. At each sample point, soil samples of 0–20 cm
of surface layer were taken according to the plum sampling method. The basic physical and
chemical properties such as pH and temperature were measured. The samples were mixed
evenly; then, about 1kg of the evenly mixed samples were taken by the quartering method
and put into a Ziplock bag for marking. A total of 15 soil samples were collected and
transported back to the laboratory for freezing (−20 ◦C) preservation at low temperature
and in darkness. The notations O1–O15 are soil points in 2009 and 2021 (Figure 1).

2.3. Laboratory Analysis
2.3.1. Determination of PAHs

According to the HJ805-2016 standard, polycyclic aromatic hydrocarbons in soil were
determined by gas chromatography–mass spectrometry. The determination process in-
cluded sample preparation, extraction, concentration, purification, elution and constant
volume determination as follows. After removing impurities such as gravel and roots
in the sample, 20 g was weighed and an appropriate amount of anhydrous sodium sul-
fate was added to dehydrate. The sample was ground into fine particles. About 5 g of
samples was weighed and extracted by the Soxhlet extraction method. An amount of
100 mL acetone-n-hexane mixed solvent was added to the sample and extracted for 16~18 h,
refluxing 4~6 times per hour. The extract was concentrated to about 2 mL using a parallel
concentrator. Then, the samples were purified by a silica gel chromatography column. An
amount of 25 mL dichloromethane-pentane mixed solvent was added for elution and the
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eluent was collected. After the eluent was concentrated again, an appropriate amount
of acetone-n-hexane mixed solvent was added, and the volume was fixed to 1 mL for
determination. Gas chromatography–mass spectrometry with a quartz column (DB-5MS,
30 m × 0.25 mm × 0.25 μm) was used to quantify the PAH concentrations. The carrier gas
type is high-purity helium. The sample was injected without a shunt. The injection volume
was 1 μL and the inlet temperature was 280 ◦C. The oven temperature program was as
follows: the initial temperature was 80 ◦C, held for 2 min, then heated at 20 ◦C/min to
180 ◦C, then heated at 10 ◦C/min to 290 ◦C, and held for 5 min.

2.3.2. Quality Control

In order to ensure the accuracy and reliability of the data, strict quality control was
carried out throughout the experiment. In the determination of PAHs in soil and sediment,
not only was o-fluorobiphenyl added to each sample for recovery detection but blank
experiments and parallel sample tests were also carried out. The spiked recoveries of
16 PAHs were between 40% and 150%. The blank experiment was performed once every
20 samples, and the relative standard deviations of parallel samples were all within 20%.
The external standard method was used to quantitatively analyze PAHs, and the correlation
coefficients of the standard curves were all above 0.995.

2.4. PAH Source Apportionment Method
2.4.1. Positive Definite Matrix Factorization Model (PMF)

The most critical step in the source apportionment of the PMF model is the determina-
tion of the number of factors. In the robust model, the number of factors is set to 3~6, and
20 iterations are carried out, respectively. Considering the factors such as the residual and
fitting effect, the 4-factor model was used to analyze the source of PAHs across the 21 years,
and the 6-factor model was used to analyze the source of PAHs in the soil in 2009.

2.4.2. Diagnostic Ratios

Diagnostic ratios are commonly used in the source apportionment of PAHs [21]. Based
on the characteristics of similar kinetic mass transfer coefficients and thermodynamic
distribution coefficients between isomeric PAHs, the heat source and petroleum source can
be distinguished by their concentration ratio [22]. To differentiate the PAHs at our sampling
sites with respect to petroleum vs. combustion sources, we applied two isomeric ratios.

2.5. Ecological Risk Assessment Method of PAHs
2.5.1. Toxic Equivalent Factor Method (TEQ)

Among the 16 US EPA priority PAHs, Benzo[a]pyrene (BaP) is used as a marker for
estimating the carcinogenic potency of PAHs [23]. To evaluate and quantify the individual
PAH and ∑PAH7c carcinogenic toxic potency, the toxicity equivalency factors (TEFs), which
define the carcinogenic potency of the individual PAH relative to Benzo[a]pyrene (BaP),
were used to estimate the toxic equivalent of PAH monomer relative to BaP (TEQBaP) in
this study [24]. This evaluation approach pays attention to the estimation of carcinogenic
PAHs. The toxic equivalent factor (TEF) of BaP was set to 1, and the remaining PAHs were
assigned to the corresponding TEF according to the difference in toxicity (Table 1). The
TEFs listed in Table 1 are the most reasonable values for the relative titers of PAHs currently
available and using them would significantly reduce the uncertainty in risk assessments
involving PAHs [24]. The calculation formula is as follows:

TEQBaP = ∑ Ci × TEFi (1)

where Ci is the exposure concentration of the ith PAHs; TEFi is the toxic equivalent factor
corresponding to the ith PAHs. The greater the toxic equivalent factor of monomer PAHs,
the greater the toxicity.
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Table 1. Toxicity equivalent factors of individual PAHs.

Monomer PAHs Ring Number
Toxic Equivalent

Factor
Monomer PAHs Ring Number

Toxic Equivalent
Factor

Naphthalence (Nap) 2 0.001 Pyrene (Pyr) 4 0.001
Anthracence (Ant) 3 0.01 Fluoranthene (Fla) 4 0.001

Phenanthrene (Phe) 3 0.001 Dibenzo[a,h]anthracene (DahA) * 5 1
Fluorene (Flu) 3 0.001 Benzo[a]pyrene (BaP) * 5 1

Acenapthene (Ace) 3 0.001 Benzo[k]fluoranthene (BkF) * 5 0.1
Acenaphthylene (Acpy) 3 0.001 Benzo[b]fluoranthene (BbF) * 5 0.1

Chrysene (Chr) * 4 0.01 Benzo[g,h,i]perylene (BghiP) 6 0.01
Benzo[a]anthracene (BaA) * 4 0.1 Indenol [1,2,3-cd]pyrene (IcdP) * 6 0.1

Note: * means carcinogenic compound.

2.5.2. Effect Interval Low Median Method (ERL/ERM)

The evaluation criteria proposed by Long et al. [25] are an effective tool to identify the
potential ecological risks of PAHs [26,27]. The tool uses the effects range low (ERL) and
effects range median (ERM) as thresholds; if the PAH concentration is less than ERL, the
probability of adverse toxic effects of PAHs on organisms is less than 10%, and ecological
risks rarely occur. ERL greater than or equal to ERM indicates that PAHs have more than
50% probability of causing negative effects on the ecological environment, and risks may
occur frequently. Between the two, the PAH concentration will occasionally harm the
ecological environment; that is, the concentration has potential ecological risks.

In order to quantitatively predict the comprehensive ecological toxicity of various
PAHs, the ecological risk can be further evaluated by the mean quotient of ERM (M-ERM-Q).
The calculation formula is:

M − ERM − Q = ∑n
i=1

Ci

ERMi
/n (2)

where Ci is the exposure concentration of individual PAHs; ERMi is the median effect range
(ERM) corresponding to individual PAHs; and n is the type of PAHs. When M-ERM-Q < 0.1,
the possibility of ecological risk is low; when 0.1 < M-ERM-Q < 0.5, there is a 30% probability
of toxicity; when 0.5 < M-ERM-Q < 1.5, the probability of medium and high toxicity is
about 50%; when M-ERM-Q > 1.5, the ecological risk is high, and the probability of high
toxicity is about 75%.

2.6. Health Risk Assessment Methods of PAHs
Incremental Lifetime Cancer Risk Models (ILCRs)

The incremental lifetime cancer risks (ILCRs) model was used in this paper to quanti-
tatively evaluate the health risk of PAHs in soil, that is, the incidence of cancer caused by
a certain dose of carcinogens at a certain time. There are three main ways for humans to
be directly exposed to soil PAHs: ingestion (ILCRingestion), inhalation (ILCRinhalation) and
dermal contact (ILCRdermal) [28]. The cancer risk calculation formula for each pathway is
as follows:

CS = ∑(PAHi × TEFi) (3)

ILCRingestion = CS ×
(

CSFingestion × 3
√BW

70

)
× IRsoil × EF × ED/BW × AT × 106 (4)

ILCRinhalation = CS ×
(

CSFinhalation × 3
√BW

70

)
IRair × EF × ED/BW × AT × PEF (5)

ILCRdermal = CS ×
(

CSFdermal × 3
√BW

70

)
× SA × AF × ABS × EF × ED/BW × AT

×106
(6)
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ILCRs = ILCRingestion + ILCRinhalation + ILCRdermal (7)

where CS is the toxic equivalent concentration (mg/kg) of monomer PAHs; PAHi is the
exposure concentration of the i th PAHs; TEFi is the toxic equivalent factor of monomer
PAHs (Table 2); CSF is the carcinogenic slope factor (mg/(kg·d)), which was determined by
the carcinogenic ability of BaP. The values of CSFingestion, CSFinhalation and CSFdermal were
7.3, 3.85 and 25, respectively. BW is body weight, IRsoil is soil inhalation rate, EF is exposure
frequency, ED is exposure time, AT is the average life of carcinogens, IRair is inhalation rate,
PEF is soil particle emission factor, SA is skin surface exposure area, AF is skin adhesion
factor, and ABS is skin adsorption parameter. The specific parameter values are shown in
Table 2. ILCRs are the sum of the carcinogenic risks of the three exposure pathways: when
ILCRs < 10−6, the carcinogenic risk is negligible; when ILCRs > 10−4, this indicates a high
carcinogenic risk; between the two indicates a potential carcinogenic risk.

Table 2. Parameters of incremental lifetime cancer risks.

Parameter Unit Adult Child

BW Kg 61.5 15
IRsoil mg·d−1 100 200

EF d·a−1 350 350
ED a 24 6
AT d 25,550 25,550

IRair m3·d−1 20 10
PEF m3·kg−1 1.36 × 109 1.36 × 109

SA cm2·d−1 5700 2800
AF mg·cm−2 0.07 0.2

ABS zero dimension 0.13 0.13

3. Results and Discussion

3.1. PAH Concentration Characteristics

In 2009, the concentration of PAHs in the samples varied greatly, ranging from 2.6 to
8275.46 ng/g, with an average of 1744.41 ng/g, according to the analysis of surface soil
samples collected by the research group in the YRD (Table 3). Compared with ΣPAH16
concentrations in the YRD studied in other years, such as Yuan et al. (27–753 ng/g, with
an average of 118 ± 132 ng/g) [29]; Yuan et al. (79.2–311 ng/g, with an average of
119 ng/g) [30]; and Fu et al. (278.7–733.5 ng/g, with an average of 382.5 ± 128.4 ng/g) [15],
PAH concentrations in soil samples investigated in 2009 were higher on average. Among
soil samples, four samples exceeded the mean value, accounting for 26.67% of total soil
samples, and eleven samples were below the mean value, accounting for 73.33% of total soil
samples. The concentration of seven carcinogenic PAHs ranged from ND to 481.35 ng/g,
with an average of 59.42 ng/g, accounting for 3.41% of ΣPAH16. The BaP concentration
ranged from ND to 22.71 ng/g, with an average of 2.51 ng/g, respectively, accounting
for 4.23% and 0.14% of ΣPAH7 and ΣPAH16. The other PAH monomers were detected to
varying degrees, except for Ace and DahA, and the detection rate was between 7% and
100%. Flu had the highest detection rate, followed by Nap and Phe, and Acpy had the
lowest detection rate (Table 3). According to Maliszewska-Kordybach’s [31] definition
of soil PAH pollution, only one sample had a concentration below 200 ng/g, accounting
for 6.67% of total soil samples. There were two samples with a concentration range of
200–600 ng/g, two samples with a concentration range of 600–1000 ng/g, and ten samples
with a concentration higher than 1000 ng/g, respectively, accounting for 13.33%, 13.33%
and 66.67% of total soil samples. The above results show that more than half of the soil
samples in the study area reached the level of heavy pollution, which suggests the pollution
situation is serious and corresponding measures need to be taken to repair and control
the situation.
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Table 3. Descriptive statistics of PAHs in soils in 2009 (ng/g).

Monomer
PAH

Ring
Number

Range
Mean
Value

Standard
Deviation

Coefficient of
Variation

Detection
Rate

Nap 2 ND~218.67 86.82 58.33 0.67 93
Ant 3 ND~188.81 25.22 46.65 1.85 73
Phe 3 ND~1002.96 117.00 243.43 2.08 93
Flu 3 2.6~7651.99 1409.20 1794.76 1.27 100
Ace 3 ND ND ND ND ND

Acpy 3 ND~2.16 0.14 0.54 3.74 7
Chr 4 ND~230.93 29.71 58.16 1.96 67
BaA 4 ND~227.56 19.40 56.38 2.91 47
Pyr 4 ND~137.97 24.59 44.82 1.82 80
Fla 4 ND~52.52 16.20 14.82 0.91 80

DahA 5 ND ND ND ND ND
BaP 5 ND~22.71 2.51 5.94 2.36 40
BkF 5 ND~14.78 2.03 4.80 2.36 20
BbF 5 ND~19.93 4.44 6.67 1.50 60

BghiP 6 ND~86.77 5.82 21.64 3.72 20
IcdP 6 ND~10.77 1.32 3.37 2.56 13

ΣPAH7 ND~481.35 59.42 118.88 2.00 73
ΣPAH16 2.6~8275.46 1744.41 1941.10 1.11 100

Note: ND means “Not Detected”.

In 2021, the concentration of PAHs in soil samples ranged from 56.25 to 582.56 ng/g, with
an average of 149.63 ng/g, collected from the YRD corresponding to the location information
in 2009 (Table 4). According to the study of PAH pollution in the soil around oil wells in the
Yellow River Delta in other years, the PAH concentration decreased with the increase in years,
which indicates that the PAH pollution has been effectively managed [15,32] (Table 5). From
the perspective of spatial distribution, the PAH concentration in the soil of the northern
oil field area of the Yellow River Delta is higher than that in the southern area of the
Yellow River, the Yellow River estuary and the former route [29,30]. Among them, four
samples exceeded the mean value, accounting for 26.67% of total soil samples, and eleven
samples were below the mean value, accounting for 73.33% of total soil samples. The
concentration of seven carcinogenic PAHs ranged from ND to 291.28 ng/g, with an average
of 28.3 ng/g, accounting for 18.91% of ΣPAH16. The BaP content ranged from ND to
107.88 ng/g, with an average of 13.19 ng/g, respectively, accounting for 46.61% and 8.82%
of ΣPAH7 and ΣPAH16. The other PAH monomers, except for Ace, Acpy, DahA, BkF and
BghiP, were detected to varying degrees, and the detection rate was between 7% and 100%.
The detection rate of Nap was the highest, followed by BaP. The detection rate of Chr was
the lowest (Table 4). In previous reports, Nap and Phe dominated ΣPAH16 in the soil of the
YRD [33], and Chr, Phe and Pyr dominated ΣPAH16 in the soil of the YRD [15]. Among the
15 samples, only two samples were slightly polluted, accounting for 13.33% of total soil
samples, and the remaining samples were not polluted. Previous research showed that
60.1% of the soil samples were slightly polluted by ΣPAH16, and 18.1% of the soil samples
were moderately polluted [15]. Combined with our research results, the pollution situation
in the study area was significantly improved compared with 2009 (Figure 2).
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Table 4. Descriptive statistics of PAHs in soils in 2021 (ng/g).

Monomer
PAH

Ring
Number

Range
Mean
Value

Standard
Deviation

Coefficient of
Variation

Detection
Rate

Nap 2 45~291.28 112.79 59.64 0.53 100
Ant 3 ND~10.2 1.30 3.32 2.55 13
Phe 3 ND~10.2 1.30 3.32 2.55 13
Flu 3 ND~8.48 1.63 3.26 2.00 20
Ace 3 ND ND ND ND ND

Acpy 3 ND ND ND ND ND
Chr 4 ND~21.58 1.44 5.38 3.74 7
BaA 4 ND~32.36 2.89 8.34 2.88 13
Pyr 4 ND~11.25 1.37 3.51 2.56 13
Fla 4 ND~12.63 2.94 4.91 1.67 27

DahA 5 ND ND ND ND ND
BaP 5 ND~107.88 13.19 26.18 1.98 53
BkF 5 ND ND ND ND ND
BbF 5 ND~53.94 5.04 13.58 2.69 20

BghiP 6 ND ND ND ND ND
IcdP 6 ND~75.52 5.74 18.83 3.28 13

ΣPAH7 ND~291.28 28.30 71.04 2.51 53
ΣPAH16 56.25~582.56 149.63 122.33 0.82 100

Note: ND means “Not Detected”.

Table 5. Concentrations (ng/g) of PAHs in sediments or soils from other research on the YRD.

Sampling Points Sampling Year ∑PAHs, ng/g Concentration Mean, ng/g Reference

61 Stations within the YRD 2006–2008 27–753 118 ± 132 [29]
The Experimental, Buffer and Core

area of the YRDNR 2013 79.2–311 119 [30]

Around Oil Wells with Different
Extraction Histories in the YRD 2015 278.7–733.5 382.5 ± 128.4 [15]

The Oil Field Soil and the Estuary
Soil of the YRD 2018 157.8–481.7 274 [32]

Around the wells in Xianhe Town,
Gudao Town and Huanghekou

Town of Dongying City

2009
2021

2.6–8275.46
56.25–582.56

1744.41
149.63

This study
This study

Note: YRDNR means “Yellow River Delta Natural Reserve”.

The main reasons may be related to the improvement in production conditions, the
enhancement of staff’s awareness of environmental protection and the improvements in
technology. According to the research, the water source of the YRD was mostly surface
runoff, which caused serious soil and water loss [34,35]. Severe soil erosion may also
carry away some PAH pollutants from the soil into rivers and oceans [20,36,37]. This
may also be part of the reason for the drop in pollution levels. In addition, there were
also studies on oil pollution and soil microbial remediation. Two strains selected by
previous researchers from oil-contaminated soil can deal with phenanthrene pollution in
a salinity environment, among which strained FM6-1 metabolizes phenanthrene through
the “phthalic acid” pathway and strained FM8-1 metabolizes phenanthrene through the
“naphthalene” pathway [38]. This may also explain a decrease in the concentration of PAHs
in the soil near the well in 2021. However, the proportion of seven carcinogenic PAHs and
the most carcinogenic BaP were increasing. The management of PAHs in this area was still
worthy of attention.
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Figure 2. The concentrations of PAHs at each sampling site in 2009 and 2021.

3.2. PAH Component Characteristics

The composition of ΣPAH16 in 2009 and 2021 is shown in Figure 3. In 2009, the soil
samples were dominated by low-ring PAHs (2–3 rings). The proportion of each ring in
2009 was 3 rings (88.94%) > 4 rings (5.15%) > 2 rings (4.98%) > 5 rings (0.52%) > 6 rings
(0.41%). Among the low-ring PAHs, Flu contributed significantly, accounting for 86.01%.
The proportion of each ring in the soil in 2021 was similar to that in 2009, and the low-ring
PAHs were dominant. The proportion of each ring in 2021 was 2 rings (75.38%) > 5 rings
(12.19%) > 4 rings (5.78%) > 6 rings (3.83%) > 3 rings (2.82%). The difference is that Nap
contributed the most to 96.39% of the low-ring PAHs in the soil in 2021, and Flu accounted
for only 1.39%. Low-ring PAHs mainly exist in the environment in a non-persistent gaseous
form [39,40]. In contrast, high-ring PAHs are relatively resistant to microorganisms and
photolysis [41,42]. In addition, the overall decrease in low cyclic PAHs was 15.72%. With
the change in time, the proportion of low-ring PAHs gradually decreased [15,39,43]. The
proportion of high-ring PAHs gradually increased from 6.08% to 21.8%. It is speculated
that this may be related to the rapid economic development in the past ten years. With the
increasing number of chemical factory enterprises, vehicles and the increasing intensity of
human activities, oil pollution is still the long-term and main source of PAHs in this area.

Figure 3. Composition of PAHs in 2009 and 2021.
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3.3. PAH Source Apportionment

Now, the main cause of PAH pollution is anthropogenic sources, including oil sources
and pyrolysis sources. Specifically, oil source refers to oil spill events that occur in the
process of oil exploration and development, transportation and storage and offshore ship
operations; pyrolysis source refers to the production activities of chemical enterprises
such as petroleum processing, coking gas, steel making and iron making, the incomplete
combustion of fuel oil, coal, gas, wood and other biomass in daily life, as well as waste
incineration, smoking, cooking and frying, and the emission of various vehicle exhaust [44,45].
In general, an individual PAH ratio is used to identify the source of PAHs in the soil [33,46],
different PAH molecular weights or different aromatic ring numbers are used to identify
different PAH sources [47,48].

Figure 4 shows the source composition of PAHs in soil in 2009 and 2021. The results
show that soil PAHs in 2009 were mainly affected by six sources (Figure 4a). The contri-
bution rate of factor 1 to high-ring PAHs is higher, such as BaA (77.7%), Chr (56.36%) and
BbF (35.51%). Gasoline and diesel produce BaA and Chr when they are not completely
burned [49]. BbF is a typical substance emitted by diesel vehicles [50], so this factor can be
identified as traffic pollution source 1. The main load of factor 2 is Ant, which represents
the biomass combustion source [51]. Factor 3 has a large load on 2~3 ring PAHs, including
NaP, Flu, Ant and Phe. These low molecular weight components are closely related to oil
pollution [52–54], so factor 3 is considered to be an oil pollution source. BghiP (87.88%),
IcdP (67.49%) and Pyr (48.34%) were found to be the higher-loading compounds in factor 4.
BghiP is a typical substance of gasoline combustion emissions [55], so factor 4 is a mixed
source of traffic pollution and fossil fuel combustion. The load of factor 5 was mainly
distributed on BkF (77.98%) and BaP (76.31%), followed by BbF (37.59%). These high
molecular weight PAHs represent traffic pollution source 2. The highest contribution rate
of factor 6 to Fla was 66.32%. Phe and Flu were medium loads. So, factor 6 could be
considered as the combustion of coal and biomass [56].

In 2021, soil PAHs were mainly affected by four sources (Figure 4b). Factor 1 not only
has a higher load on low-ring PAHs such as NaP and Flu but also has a greater contribution
to the high-ring components BaA, BaP and BkF. Therefore, factor 1 can be identified as
a mixed source of oil pollution and traffic pollution [57–59]. Factor 2 is dominated by
Pyr load, and the contribution rate reaches 98.92%, which is much higher than other
compounds, reflecting the source characteristics of fossil fuel combustion [52,60]. Factor
3 has the highest contribution rate to Fla, which is 92.41%, representing the source of
coal combustion [52,53,59]. The main loads of factor 4 are Phe (99.38%) and Ant (98.78%),
which can be attributed to the combustion of coal and firewood. Therefore, factor 4 can be
identified as the combustion source of coal and biomass [51].

Figure 5 shows the contribution rate of each pollution source of soil PAHs in differ-
ent periods via PMF model analysis. The positive matrix factorization model (PMF) is
recommended by the United States Environmental Protection Agency for pollution. A
factorization model for source apportionment was first proposed by Paatero et al. [61]. In
recent years, it has been widely used in soil, sediment, atmospheric particles and so on. The
model can avoid the negative value of factor loading and scores in the application process
and further optimize the data by using uncertainty for the model output results to achieve
strong reliability.

Common isomeric ratios such as Fla/(Fla + Pyr), Ant/(Ant + Phe), BaA/(BaA + Chr)
and Fla/(Fla + Pyr) were used to analyze the possible sources of PAHs in the soil around
oil wells in the Yellow River Delta. According to the ratio analysis of Fla/(Fla + Pyr) and
Ant/(Ant + Phe) [62,63], the main source of PAHs in the soil of samples A9, A11, A12,
A13 and A15 in 2009 was biomass and coal combustion, and the main source of PAHs in
the soil of sample A2 in 2009 was petroleum combustion. The PAHs in the soil of other
plots were mainly derived from petroleum (Figure 6a). According to the ratio analysis
of BaA/(BaA + Chr) and Fla/(Fla + Pyr) [64,65], the main source of PAHs in the soil of
samples A11 and A13 in 2009 and B12 in 2021 was biomass and coal combustion, and the
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main source of PAHs in the soil of plots A2 in 2009 was petroleum combustion. The main
source of PAHs in other soil samples was petroleum pollution (Figure 6b).

Figure 4. Sources of soil PAHs in 2009 and 2021 via PMF model analysis.

Figure 5. Contribution rate of soil PAHs in 2009 and 2021.

120



Water 2023, 15, 3324

Figure 6. Diagnostic ratios of PAH sources at different sampling sites in 2009 and 2021. A1–A15
represent soil samples from 15 plots in 2009, and B1–B15 represent soil samples from 15 plots in 2021.

On the whole, oil pollution, traffic pollution, coal and biomass combustion are the
long-term and main sources of PAHs in this area. This is consistent with previous research
reports [12,66]. The source contribution rates of PAHs in soil in 2009 and 2021 are slightly
different (Figure 5). In 2009, the contribution rate of oil pollution sources was the highest,
reaching 39.01%, followed by coal and biomass combustion sources, and traffic pollution
and fossil fuel combustion sources (1.53%) contributed the least. In 2021, oil pollution
and traffic pollution were the main sources. The other three pollution sources and their
contribution rates were coal combustion (29.73%), coal and biomass combustion (2.4%) and
fossil fuel combustion (3.99%). Zhao found that PAHs in the surface sediments of the YRD
were mainly derived from oil leakage and fossil fuel combustion and had a moderate risk
to the local ecosystem [12]. Xu found that PAHs in sediments were mainly derived from oil
leakage and fossil fuel combustion and had low to moderate risks to local ecosystems [66].
Studying the sources of PAHs in different periods can not only effectively prevent and
control pollution but also provide a theoretical basis for relevant departments to formulate
corresponding laws and regulations.

3.4. Ecological Risk Assessment of PAHs
3.4.1. Toxic Equivalent Factor Method (TEQ)

The ecological risk assessment was performed via the toxic equivalent of PAH monomer
relative to BaP (TEQBaP) [24]. The TEQ concentrations of ΣPAH16 in soil ranged from 0.003
to 34.76 ng/g in 2009, with an average of 7.49 ng/g. The TEQ of seven carcinogenic PAHs
accounted for 73.79% of the total TEQ. The monomer with the largest contribution to the
total TEQ was BaP (33.53%), followed by BaA (25.89%). The TEQ concentrations of ΣPAH16
in soil in 2021 ranged from 0.06 to 124.57 ng/g, with an average of 14.71 ng/g, which was
about twice the TEQ of 2009. The TEQ of seven carcinogenic PAHs accounted for 99.1% of
the total TEQ, an increase of 25.31% from 2009. The carcinogenic risk was also increasing. In
general, the TEQ values of different years showed a trend of high-ring PAHs being greater
than low-ring PAHs, indicating that high-ring PAHs had high toxicity. Compared with
the reference value (33 ng/g), there was basically no potential ecological risk in 2009 and
2021. It is worth noting that although the pollution level in 2009 was much more serious
than that in 2021, the ecological risk did not show the same results. On the contrary, the
TEQ value in 2021 was larger, which was mainly due to the dominant position of the Flu
monomer in soil PAHs in 2009, but its toxic equivalent factor was smaller. In 2021, BaP in
the soil was not only the most abundant but also the most toxic, accounting for 89.7% of
the total TEQ. Therefore, the TEQ was larger, especially in the O10 plot, which exceeded
the target value by about 3.8 times (Figure 7), and may have been affected by PAHs, with
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potential ecological risks. Based on the analysis of sampling points and human activities,
the sampling point is located beside the road. The emissions of motor vehicle exhausts and
the lifestyles of the surrounding residents are conducive to the increase in PAH toxicity
in the soil. Therefore, the traffic flow should be controlled to reduce the ecological risk.
The ecological risk of the O4 plot has been significantly reduced (Figure 7), which may
be related to the reduction in the use of fuels such as coal and biomass, which effectively
prevents and controls Flu pollution.

Figure 7. TEQ values of PAHs at each sampling site in 2009 and 2021.

3.4.2. Effect Interval Low Median Method (ERL/ERM)

Figures 8 and 9 show the ecological risk assessment results of individual PAH, low-
ring PAHs, high-ring PAHs and ΣPAH16 in soil in 2009 and 2021. According to Figure 8,
Flu concentrations detected in 12 of the 15 soil samples in 2009 were higher than the ERM
value, indicating that 80% of the samples had frequent ecological risks. In addition, the
concentrations of Nap in two sites (13%), Ant in one site (7%), Phe in two sites (13%) and
Flu in two sites (13%) were between ERM and ERL, indicating that these monomeric PAHs
occasionally produced ecological risks in their corresponding sampling points. At the same
time, IcdP was also detected at two sampling points, which was harmful to the ecological
environment. The ecological risk of other PAHs was small. In 2021, the ecological risk of
each monomer PAH in the soil was significantly improved, and only three sampling points
(20%) had Nap concentrations between ERM and ERL, with potential ecological risks. The
concentrations of other PAHs in all sampling points were lower than ERL, and there was
no negative ecological effect.

Compared with the low-ring PAHs and ΣPAH16 in some samples in 2009 that will
cause harm to the ecological environment, the concentrations of low-ring PAHs, high-ring
PAHs and ΣPAH16 in soil samples in 2021 will not only decrease but also be less than
the ERL values, and there is basically no ecological risk (Figure 9). It shows that the
ecological environment quality of the study area is developing well, and the environmental
protection system and policy formulated on the prevention and control of PAH pollution
have achieved initial success. The future protection in the YRD will continue to be aimed

122



Water 2023, 15, 3324

at regulating and reducing PAH pollution and promoting ecological protection and high-
quality development in the Yellow River basin.

Figure 8. Probability of ecological risk of individual PAH concentration at each sampling site in 2009
and 2021.

Figure 9. Accumulative probability distributions of LMW (a), HMW PAHs (b) andΣPAH16 concen-
trations (c) in 2009 and 2021.

3.5. Health Risk Assessment of PAHs

Domestic and foreign researchers mainly use the incremental lifetime cancer risk
model to assess the health risks of PAHs in soil. Halfadji et al. studied the health risks of
PAHs in soil in northwestern Algeria and found that adults and children had the highest
potential cancer risk and adolescents had the lowest risk [67]; Zheng et al. combined the
PMF model with the lifetime cancer risk increment model to analyze the source of cancer
risk and found that biomass burning was the main factor causing the carcinogenicity of
soil PAHs in the Chengdu Economic Zone [68]. Table 6 shows the carcinogenic risk values
of soil PAHs under three exposure pathways in 2009 and 2021.
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Table 6. ILCR values of PAHs in soils under three exposure pathways in 2009 and 2021.

Exposure
Pathways

2009 2021

Adult Child Adult Child

ILCRingestion 8.56 × 10−9 4.28 × 10−9 1.68 × 10−8 8.4 × 10−9

ILCRinhalation 6.64 × 10−13 4.74 × 10−20 1.3 × 10−12 9.31 × 10−20

ILCRdermal 1.52 × 10−8 5.34 × 10−9 2.99 × 10−8 1.05 × 10−8

ILCRs 2.38 × 10−8 9.62 × 10−9 4.67 × 10−8 1.89 × 10−8

In 2009, the carcinogenic risks of soil PAHs to adults and children through three
exposure pathways of ingestion of soil, respiratory intake and skin contact were, respec-
tively, 8.25 × 10−12~1.1 × 10−7 and 3.34 × 10−12~4.46×10−8, and the average values were,
respectively, 2.38 × 10−8 and 9.62 × 10−9 (Table 6). The carcinogenic risks of PAHs in
soil to adults and children in 2021 were 1.78 × 10−10~3.95 × 10−7 and 7.22 × 10−11 and
1.6 × 10−7, respectively, with an average of 4.67 × 10−8 and 1.89 × 10−8, respectively
(Table 6). In terms of time, ILCRs in both years were lower than the safety threshold of
10−6, and there was no carcinogenic risk. Compared with other studies on health risk
assessment of soil PAHs in the YRD [14,17], the health risks of soil PAHs in this study
were lower in 2009 and 2021 on average (Table 7). Consistent with the trend of ecological
risk, the health risk in 2021 was slightly higher than that in 2009 mainly because the toxic
equivalent factor of BaP was large. Despite this, the average ΣPAH16 content in the surface
soil of the Yellow River Delta in 2009 was ten times that of the average ΣPAH16 content
in 2021. The soil PAH status in 2021 was at the unpolluted level. Therefore, compared
with 2009, the soil pollution situation in 2021 is significantly better. It is worth noting that
in many organizations, a lifetime cancer risk in the vicinity of 10−6 and 10−4 connotes a
potential hazard. For instance, Tarafdar et al. (2018) found that fly ash PAH ILCR values
of adults and children near oil refineries in India were, respectively, 1.823 × 10−5 and
1.854 × 10−5 [69]. The simulated risk exceeded the negligible risk of 10−6 but fell below the
acceptable risk benchmark of 10−4, which meant that people from both age groups have a
plausible threat of cancer occurring [69].

Table 7. ILCR values of PAHs in soil samples reported in the previous literature.

Study Area Study Year
Mean of ILCRs

(Adult)
Mean of ILCRs

(Child)
Reference

Yellow River Delta Natural Reserve 2017 1.14 × 10−6 1.23 × 10−6 [17]
Farmland soil in the YRD 2020 9.00 × 10−6 3.60 × 10−5 [14]

Xianhe Town, Gudao Town and
Huanghekou Town of Dongying City

in the YRD
2009 2.38 × 10−8 9.62 × 10−9 This Study

Farmland soil in the YRD 2021 4.67 × 10−8 1.89 × 10−8 This Study

Skin contact and ingestion of soil are the main means of soil PAH exposure, which
was consistent with previous studies [13,14,70]. Zheng et al. used the lifetime cancer risk
increment (ILCR) to evaluate the polycyclic aromatic hydrocarbons in farmland soil in
Ningde. The results showed that the ILCR value ranged from 7.1 × 10−4 to 1.1 × 10−3,
which mainly caused moderate to high cancer risk to human health through soil intake
and skin contact [13]. Xie found that among the three exposure pathways, skin contact
was the most important exposure mode of soil PAHs, followed by oral ingestion, and
inhalation exposure was minimal [14]. Studies have shown that long-term exposure to
high concentrations of PAHs in the environment through skin contact, oral and nasal
intake would cause damage to the respiratory system, nervous system, liver and kidneys,
causing lung cancer, nasopharyngeal carcinoma, skin cancer, gastric cancer and other
diseases, which would cause great harm to health [71–74]. Therefore, it is essential to
clarify the concentration, content and health risk of ΣPAH16 [43,75] and actively study and
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improve the pollution status of PAHs. From the perspective of the population, the health
risk of soil PAH pollution in adults is higher than that in children, because ILCRdermal
contributes the most to ILCRs, which was inconsistent with previous studies [14,17,67,69].
The specific causes need to be further studied, so caution should be taken when referring
to the management measures of the threat of PAHS pollution to adults and children in
the YRD.

4. Conclusions

Based on the investigation of the research group in 2009, this study re-collected samples
according to the same sampling points and analyzed the concentration, composition, source,
ecological risk and health risk of PAHs. The concentration of ΣPAH 16 in the surface soil
of the Yellow River Delta in 2009 ranged from 2.6 to 8275.46 ng/g, with an average of
1744.41 ng/g, which reached the level of severe pollution. The concentration of ΣPAH
16 in 2021 ranged from 56.25 to 582.56 ng/g, with an average of 149.63 ng/g, which was
unpolluted. The composition and distribution characteristics of PAHs in the soil in 2009
and 2021 were similar, and low-ring PAHs are dominant. The main source of soil PAHs
in 2009 was oil pollution. In 2021, soil PAHs were mainly affected by oil pollution and
traffic pollution, which further confirmed the analysis results of the proportion of rings.
The evaluation results of the toxicity equivalent factor method showed that there was no
potential ecological risk in the soil in 2009 and 2021, but the TEQ value in 2021 was large.
It was mainly because the Flu monomer in the soil PAHs in 2009 was dominant, but its
toxicity equivalent factor was small. The ecological risk of each monomer of PAH also
improved significantly. Only 20% of the NaP samples had potential ecological risks, and the
remaining PAHs had no negative ecological effects. The evaluation results of the lifetime
cancer risk increment model showed that the ILCRs of soil PAHs in 2009 and 2021 were
lower than the safety threshold of 10−6, and there was no carcinogenic risk. From the
perspective of exposure pathways, the highest carcinogenic risk was skin contact, followed
by ingestion of soil, and the lowest carcinogenic risk was respiratory intake.
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Abstract: As an effective method to improve saline–alkali land, the drainage from subsurface pipes
has been extensively studied in typical arid and semi-arid agricultural areas (Hetao Irrigation District).
However, there are few studies on the improvement of subsurface pipe layout and the long-term
soil salinization control in the process of leaching and soil amendment with subsurface pipes in this
area. This study investigated the water and salt migration in the process of amending the heavy
saline soil. Field experiments growing sunflowers and numerical model calculation were combined
in this research. It was found in the field experiment that the salt concentration in the surface pipe
drainage was positively correlated with the salt content in the soil and the depth of the pipe, while it
was negatively correlated with the amount of irrigation water and the spacing of crops. Thus, the
soil desalting rate (N) and salt control rate (SCR) were positively correlated with the depth of the
pipe, and they were negatively correlated with the spacing. The leaching effect of irrigation would
decrease when the soil salt content decreased. On the basis of field experiments, the DRAINMOD
model and drainmod equation were used to calculate the water and salt migration in 38 different field
plots during 2019 and 2020. When N was the same, the soil salinity in several plots with large burial
depth could be controlled below the salt tolerance threshold of sunflowers during the growth period
in the second year. The quantitative relationship between N and SCR, soil salt content before leaching,
water amount of leaching, pipe spacing and buried depth was already established. These results can
help develop strategies for desalination and salt control in the soil in the arid and semi-arid areas
with the optimal layout of subsurface pipes.

Keywords: Hetao Irrigation District; saline–alkali soil; subsurface drainage system; DRAINMOD;
water and salt transport

1. Introduction

As a global agricultural issue, soil salinization has been widely concerned because
it reduces the utilization efficiency of fertilizers, increases the loss of nutrients in the soil,
and affects the growth, yield and quality of crops [1–5]. Soil salinization has affected more
than 30% of arid and semi-arid areas worldwide [6,7]. As a typical arid and semi-arid
irrigated area, 63.8% of the soil in the Hetao Irrigated District of Inner Mongolia has been
affected by salinization [8]. Subsurface pipe drainage has been widely recognized as an
effective measure for amending saline farmland [9], due to its advantages of small land
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occupancy and high land use efficiency for improving soil conditions, reducing soil salinity
and increasing crop yield [10–12]. There have been many studies on the displacement,
drainage quality and the influence on groundwater level of the subsurface pipe with
different layout parameters [13,14]. However, the proposed layout parameters in those
studies may not be applicable to the area for desalting and long-term salt control in the arid
and semi-arid areas.

The key points of the research on the subsurface pipe mainly include the drainage,
salt and nutrient transport, the response of crop yield, and the optimal layout parameters
of subsurface pipes under different soil conditions [15–17]. Many studies have carried out
quantitative analysis of various farmland indicators with different layout parameters of
subsurface pipes. Laboratory and field experiments showed that the depth of subsurface
pipe positively affected the quantity and quality of discharged water, while the spacing of
subsurface pipe presented negative influence on these parameters [18,19].

The migration of water and salt under different pipe layout conditions cannot be fully
investigated due to the limitations of laboratory and field tests. The numerical model is
an effective and complementary method to solve this issue. Some of the effective and
widely accepted models include but are not limited to the HYDRUS [20], SWAT [21] and
DRAINMOD [22]. Dou et al. used HYDRUS-2D to simulate the subsurface pipe drainage in
the farmland compared the drainage depth of the subsurface pipe at different growth stages
of sunflowers, and they determined that the optimal drainage depth in medium salinized
soil was 50 cm [23]. Addab and Bailey simulated the migration of eight major salt ions in
the soil with subsurface pipe drainage in the salinized area, and they developed effective
land and water management strategies with the SWAT model [24,25]. DRAINMOD, based
on water balance, is widely used to simulate farmland drainage and crop yield because of
its simplicity, accuracy and practicability [26,27]. The model was extended to simulate the
macropore seepage [28]. Meanwhile, this model well simulated the recycling of subsurface
pipe drainage water and the related economic benefits [29].

Hetao Irrigation District is a typical salinization area, and many studies have been
conducted on the improvement of soil quality in this region [30,31]. However, few studies
focused on the subsurface pipe drainage and the water and salt migration in the soil with
subsurface pipes in long time series. The groundwater level is high, and soil permeability
is poor in the heavily salinized area. As a result, the salinity of the soil can only be
reduced in a short period of time even if subsurface drainage is used. This study mainly
investigated the water and salt migration in the salinized farmland growing sunflowers
with buried drainage pipes in Hetao Irrigation District. Based on this field experiment,
simulation was conducted with DRAINMOD model for water migration and calculate
the soil salt migration. The index of salt control rate (SCR) was proposed to describe the
effect of subsurface pipe on the salinity of main root layer soil of sunflowers, and the best
arrangement of the subsurface pipe under different desalting and salt control requirements
with planting sunflower was determined to provide technical support for the improvement
of subsurface pipe drainage in the arid and semi-arid areas.

2. Materials and Methods

2.1. Study Site

From May 2019 to November 2020, a trial of leaching was conducted in a field with
an area of approximately 5.4 ha. The field is located in the Comprehensive Improvement
Test Base of Saline–alkali Land with Subsurface Pipe Drainage in the Wulat irrigation area,
Hetao Irrigation District, Inner Mongolia, northwest China, with an altitude of 1018.88 m
at 40◦45′28′′ N and 108◦38′16′′ E [32]. The region has a typical temperate continental
climate, dry and windy, with an annual evaporation of 2173 mm [33]. The groundwater is
relatively shallow with a depth of 1.6 m, and the salinity of groundwater is 29.66 dS/m.
Flood irrigation is mainly used for irrigation with water from the Yellow River with a total
dissolved solids content of 0.67 g/L. The drainage method is mostly open ditch, which is
mostly used for drainage in this area. The large amount of irrigation water use, untimely
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drainage, high groundwater level and intense surface evaporation lead to prominent soil
salinization and seriously restrict the development of local agriculture.

2.2. Field Test Design

Seven test fields were constructed. The Dutch INTERDRAIN all-in-one pipe laying
machine was used to complete the ditching and laying of the subsurface pipes, which were
single-wall bellows pipes with a diameter of 8 cm, a length of 200 m and a buried slope
of 1‰. The pipes were arranged in the short direction of the field, and then they were
wrapped with geotextiles, covered with sand of 10 cm, backfilled with original soil to the
initial elevation, and finally processed via laser leveling.

The leaching water was discharged from the subsurface pipe to the drainage ditch
excavated along one side of the field. Referring to previous studies [34], the drainage depth
of the pipes was set at 1.1 m, 1.2 m and 1.3 m, and the drainage spacing was set at 10 m,
20 m and 30 m. Seven field experiments were arranged, as shown in Figure 1a. Due to the
limitation of field tests, the drain depth ranged from 1.1 m to 1.3 m, and the drain spacing
ranged from 10 m to 30 m. DRAINMOD model was used to simulate the desalination and
salt control effects of different layout parameters of the pipes under the same initial soil
conditions. There were a total of 38 prediction scenarios, denoted as F1–F38, with 9 drain
depths (1 m, 1.1 m, 1.2 m, 1.3 m, 1.4 m, 1.5 m, 1.6 m,1.8 m and 2 m) and 5 drain spacings
(10 m, 15 m, 20 m, 25 m and 30 m). Field and prediction layout of subsurface pipes are
shown in Table 1.

Figure 1. Schematic diagram of (a) subsurface drainage pipe layout of each treatment and (b) drainage
structure of subsurface pipe and observation point of water and soil samples (The green line is a
subsurface pipe with a spacing of 30 m. The red line is a subsurface pipe with a spacing of 20 m. The
blue line is a subsurface pipe with a spacing of 10 m).

2.3. Sampling, Measurement and Calculation
2.3.1. Meteorological Data

The weather input files required by the model included precipitation, solar radiation,
maximum and minimum temperatures, wind speed, etc. The hourly data were obtained
from field weather stations (HOBO-U30) used at the test field.
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Table 1. Layout parameters of the 7 experiment (T) and 38 prediction (F) scenarios.

Depth (cm) Spacing (cm)

1000 1500 2000 2500 3000

100 F1 F2 F3 F4 F5
110 T1 F6 T4 F7 T7
120 T2 F8 T5 F9 F10
130 T3 F11 T6 F12 F13
140 F14 F15 F16 F17 F18
150 F19 F20 F21 F22 F23
160 F24 F25 F26 F27 F28
180 F29 F30 F31 F32 F33
200 F34 F35 F36 F37 F38

2.3.2. Irrigation Time and Water Volume

Flood irrigation was used in the study. The quantity of irrigation water was controlled
by installing a circular inlet gate of each plot for measuring the inlet water quantity. The
time and frequency of irrigation mainly depend on the local Yellow River inflow time
and irrigation management system. During the experiment, seven times of irrigation with
different water amounts were carried out, respectively, on 15 May 2019 (300 mm), 26 June
2019 (150 mm), 17 July 2019 (150 mm), 25 October 2019 (300 mm), 3 May 2020 (350 mm),
28 June 2020 (250 mm) and 19 October 2020 (350 mm).

2.3.3. Soil Sampling

In order to monitor the desalination effect of subsurface pipes, soil sampling was
conducted one day before each drainage test and after the end of drainage. The soil
sampling points were arranged at the intermediate points between the middle subsurface
pipe and the adjacent subsurface pipe in each test area. The surface soil was sampled from
0–10 cm and 10–20 cm, and then the soil was sampled every 20 cm below the surface to a
depth of 100 cm (Figure 1b).

2.3.4. Water Sampling

A water meter was connected to the subsurface pipe near the drain. In order to
facilitate water meter disassembly and data collection, A manhole was built above water
meter. The daily subsurface pipe displacement and drainage quality were monitored
during the irrigation and drainage stage.

2.3.5. Water Table

Groundwater level observation wells were arranged near the soil sampling points in
each test plot. Meter ruler and plumb hammer were used to measure the groundwater level
in the initial stage of the test, and a groundwater level monitor DATA-6216 was placed in
the observation wells to monitor the real-time groundwater level during the test.

2.3.6. Soil Moisture Content, Salt Content, Desalting Rate and Salt Control Rate

Some soil samples were weighed to determine the wet weight and then dried in a hot
blast oven at 105 ◦C for 24 h to measure the dry weight and calculate the moisture content.
Next, 10 g of some soil sample was well mixed in 50 mL distilled water. After standing
for 15 min, the conductivity of the solution (EC) was measured using a lightning magnetic
DDS-307A conductivity meter. The soil salt content was obtained using Equation (1) [35].
The soil desalting rate was calculated using Equation (2) [23].

S = 3.7657EC(1:5) − 0.2405 (1)
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where S is soil salt content (g/kg), and EC1:5 is the EC of the soil extract solution made by
mixing the soil with water at a soil:water ratio of 1:5, (mS/cm).

N =
S1 − S2

S1
×100% (2)

In the equation, N is the soil desalting rate (%), S1 is the initial value of soil salinity
before irrigation (g/kg), and S2 is the soil salinity after irrigation (g/kg).

The index of salt control rate (denoted as SCR), proposed in this study, represents the
percentage of days when the salinity in the soil was lower than the threshold of crop salinity
in the total growth period, which was used to reflect the control ability of subsurface pipe
drainage on soil salinity, so as to select the suitable subsurface pipe layout.

2.4. DRAINMOD Model
2.4.1. Model Description

DRAINMOD is a two-dimensional model to obtain information of soil hydrological
processes using a water balance method and empirical relationships with data about mete-
orology, soil properties, crop growth and field irrigation/drainage [22]. An hourly or daily
simulation of the water balance at the midpoint of two parallel drainage pipes, including
evapotranspiration, surface runoff, subsurface drainage, infiltration and groundwater level.
The salt module of the model is rarely used because the calculation process is not rigorous,
resulting in a large difference between the simulation results and the actual situation. This
paper only uses it for hydrological simulation.

Water balance in this model is classified as two compartments: In the surface balance,
the model can be applied to compute the permeability, irrigation and runoff using the
following Equation (3). In the subsurface balance, DRAINMOD calculates the water
balance for a section of the soil in the middle of two drains according to the following
Equation (4) [22].

ΔW = P + I − F − RO (3)

ΔVa = D + ET + VLS − F (4)

In the equation, ΔW is the change in surface water storage (mm); P is the precipitation
(mm); I is the irrigation amount (mm); F is the infiltration amount (mm); RO is the surface
runoff (mm); ΔVa is the change in water content of anhydrous pore space in soil profile
(mm); D is the drainage depth (mm); ET is the evapotranspiration (mm); and VLS is the
vertical and lateral flow (mm).

The flow from spawn to sink to drain was assumed instantaneous in the DRAINMOD
model. The amount of irrigation water was measured in the field. The amount of infiltration
was estimated with Green–Ampt equation with the input of soil physical properties. In
the equation, surface runoff was not included since all the irrigation water was discharged
from the field through subsurface drainage due to the 1 m high ridge surrounding the field.
The efficiency of subsurface drainage depends on the depth of groundwater, soil hydraulic
conductivity and the layout of buried pipes. When the underground water level is below
the surface, Hooghoudt steady flow equationis are used to calculate the underground pipe
displacement; when the underground water level rises to completely submerge the ground,
the Kirkham equation is used to estimate the underground drainage flow [36]. Vertical and
lateral seepage were estimated using a simple method based on the Darcy equation and
Dupuit-Forchheimer hypothesis [22,37].

2.4.2. Model Input

The selected field was an abandoned farmland. A comprehensive soil survey was
carried out before burying the pipes (Table 2). The drainage depth and spacing of the field
drainage system depended on the buried subsurface pipe parameters in each test area.
The depth from the surface to the impermeable layer was set to 2 m, the initial depth of
the groundwater was set to the actual measured value (160 cm), and the depth at which
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water flows to the subsurface pipe (Kirkham depth) was set to 0.3 cm. The actual irrigation
time and irrigation amount are integrated into the meteorological data and then input
into the model. The model calculates the potential evapotranspiration (PET) based on the
input meteorological data and the Penman–Monteith formula, and then it distributes the
calculated PET to each hour of the simulation period. In the calculation process, the model
will self-check whether evapotranspiration is limited by soil moisture conditions. If it is not
affected by soil water supply capacity, the actual evapotranspiration (ET) is equal to PET.
Otherwise ET is equal to soil water supply capacity (upward flux of diving).

Table 2. Soil physical and chemical characteristics of experimental site.

Soil Layer
(cm)

Particle Composition/% Bulk Density
(g·cm−3)

Soil Salt Content
(g·kg−1)

pH
Field Capacity

(cm3 cm−3)Sand Clay Silt

0–10 36.6 4.22 59.18 1.44 25.23 7.45 32.35
10–20 32.32 3.86 63.82 1.45 21.79 7.60 33.29
20–40 23.98 2.20 73.82 1.47 18.22 7.64 36.61
40–60 8.27 2.47 89.26 1.48 15.53 7.72 35.08
60–80 3.36 5.70 90.94 1.49 11.79 7.51 36.33
80–100 12.91 5.02 82.07 1.49 10.60 7.62 36.52

As one of the main planting cash crops in Hetao Irrigation Distcict, sunflowers have
high salt tolerance (18.28 g/kg) and are generally sown in early June and harvested in early
or middle September, with a growth period of about 105 d. The irrigation water in this
study was from the Yellow River, and the time of each irrigation test was consistent with
the local irrigation schedule. The potential evapotranspiration of bare land is PET1. In
order to simulate the soil water balance when sunflowers were planted, the dual crop coeffi-
cient [38,39] method was used to calculate crop transpiration (Tc) and soil evaporation (Es),
respectively, to estimate potential evapotranspiration (PET2) during sunflower planting.

Tc = KcbETo (5)

Es = ETo (6)

Here, Kcb is the basal crop coefficient; Ke is soil evaporation coefficient; and ETo is the
reference crop evapotranspiration.

Basal crop coefficient refers to the ratio of crop evapotranspiration to reference evap-
otranspiration at a given potential rate without soil evaporation. Miao et al. provided
the Kcb reference values in the early (0.10), middle (1.15) and late (0.25) growth periods
of sunflower after calibration [40]. The evaporation coefficient Ke is used to describe the
portion of soil evaporation in the actual evapotranspiration, which depends on the amount
of water available for evaporation in the upper soil and on the amount of energy available
at the soil surface in conjunction with the energy consumed by transpiration [41].

Ke = Kr (Kc max − Kcb) ≤ few Kc max (7)

In the equation, Kr is the evaporation reduction coefficient, depending on the cumula-
tive depth of surface soil water loss, and Kc max is the maximum value of Kc after rainfall
or irrigation. The calculation of Kr is divided into two stages. When the accumulated
evaporation loss from soil surface (De, mm) does not exceed the amount of evaporable
water (REW, mm), Kr is equal to 1. When De exceeds REW, Kr decreases, and when the
evaporation from surface soil is 0, Kr = 0. Equation (8) was used to calculate the Kr of the
second stage.

Kr =
TEW − De,i−1

TEW − REW
(8)

In the equation, TEW is the maximum depth of evaporation of surface soil after
wetting (mm); REW is the amount of water easily evaporated without water limitation (the
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cumulative evaporation depth at the end of the first stage); De,i−1 is the cumulative depth
of soil surface evaporation water at the end of day i−1(mm).

few is the fraction of soil that is exposed to radiation and moistened by water, and it is
related to the percentage of the ground covered by crops.

few= min(1 − fc, fw) (9)

In the equation, fc is the fraction of the surface soil area covered by plants. fw is the
fraction of soil surface wetting by rainfall or irrigation.

2.5. Water and Salt Balance in Soil Profile

In the calculation of water balance in the soil profile of the test site including shallow
groundwater utilization, the influence of soil pore distribution difference on water migra-
tion is ignored for the convenience of the study, and the piston flow is considered. When
calculating the water amount of precipitation, irrigation, underground drainage, shallow
groundwater utilization, evapotranspiration and infiltration, the salt carried in each part of
water is defined to clarify the water–salt balance of the profile. The calculation formula is
as follows:

Moisture:
ΔVa = P + I + G − D − ET − L (10)

Salt:
S = SO + SI + SG − SD − SL (11)

In the equation, G is the utilization of shallow groundwater (cm); L is the deep
percolation (cm); SO is the initial salt content of soil profile (g); SI is the salt brought by
irrigation water (g); SG is the rising salinity by groundwater (g); SD is the salt discharged
by underground drainage (g); SL is the salt introduced into groundwater (g).

When the water table rises after rain or irrigation, the water quantity L of deep seepage
can be calculated using the following equation.

L = μΔH (12)

Here, μ is the water supply degree. According to experience, the value of μ in the test
site ranges from 0.04 to 0.06 [42], calibrated via moisture calculation, and the value in this
paper is 0.05. ΔH is the change in depth of groundwater after rainfall or irrigation (cm).

The salt brought into groundwater can be calculated using Equation (13):

SL =
SO + SI
Va + L

(13)

where Va is the moisture content of soil before rainfall or irrigation.

2.6. Shallow Groundwater Utilization and Salt Accumulation Rate

The simulation was carried out under the two conditions, i.e., the bare land and land
with crops. Under the two conditions, the corresponding underground displacements
were D1 and D2, evapotranspirations were ET1 and ET2, infiltrations were F1 and F2, deep
percolation were L1 and L2, and groundwater levels were h1 and h2 (usually h1 < h2). The
difference in the profile water quantity between bare land and land with planted crops was
mainly caused by the utilization of groundwater by crops. Therefore, by calculating the
difference in water balance between the two conditions, the amount of shallow groundwater
used by crops can be obtained using Equation (14).

G = (D1 − D2) + (ET1 − ET2) + (F2 − F1) + (L2 − L1) + (h2 − h1)θs (14)

In the equation, θs is the saturated water content (cm3cm−3). Equation (15) can be
used to obtain the total amount of salt carried by crops using groundwater, and Equation
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(16) can be used to calculate the salt accumulation rate of soil, and the salt accumulation
degree (soil profile at a certain time and the rate of increase in soil salt content compared
to the previous period) of 0–100 cm soil layer in each test plot is analyzed without being
affected by the initial salt content.

SG = GCG (15)

Here, CG is the average salt concentration of groundwater.

t =
Si − Si−1

Si
× 100% (16)

In the equation, t is soil salt accumulation rate (%); Si is the soil salt content in period i
(g/kg); and Si−1 is the soil salt content in period i−1 (g/kg).

2.7. Calibration and Verification of the Models and Fitting Equations

The model was evaluated using graphical and statistical methods. The mean absolute
error (MAE), root mean square error (RMSE) and Nash–Sutcliffe efficiency coefficient (NSE)
were used to evaluate the consistency between the measured and the predicted data. When
MAE and RMSE are close to 0, NSE is close to 1, indicating that the simulation is accurate.
When daily NSE > 0.4 or monthly NSE > 0.5, the simulation is considered acceptable; when
daily NSE > 0.6 or monthly NSE > 0.7, the simulation is considered good; when daily
NSE > 0.75 or monthly NSE > 0.8, the simulation is considered excellent [22].

MAE =
∑n

i=1|Ai − Oi|
n

(17)

RMSE =

√
1
n

n

∑
i=1

(Ai − Oi)
2 (18)

NSE = 1 −

n
∑

i=1
(Ai − Oi)

2

n
∑

i=1
(Ai −

−
O)

2 (19)

The coefficient of determination (R2) was used to evaluate the regression equation.

R2 =

(
n
∑

i=1
(Oi −

−
O)(Ai −

−
A))

2

n
∑

i=1
(Oi −

−
O)

2 n
∑

i=1
(Ai −

−
A)

2 (20)

where Ai is the simulated value;
−
A is the average observed value; Oi is the average simulated

value;
−
O is the average observed value; and n is the total number of the observations. The

R2 value is between 0 and 1, and it is acceptable when the value is larger than 0.5.

3. Results and Analysis

3.1. Changes in Soil Water Content and Salinity

The measured soil moisture content and soil salt content of the profile before and
after each irrigation test of seven field-arranged experimental treatment plots during the
period 2019–2020 were, respectively, provided in Figures 2 and 3. At the beginning of the
experiment, there was little difference in the initial water content of each soil layer in each
plot. The average soil water content of 0–100 cm soil layer was 36.85–37.89 cm3cm−3, and
the soil water content of the profile gradually increased with the soil depth. After irrigation,
the water content of the profile increased, and the water distribution from the top to the
bottom tended to be uniform. With the increase in the buried depth or the decrease in
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the distance between the buried pipes, the water discharge rate from the soil accelerated
gradually. With the same spacing, the average soil moisture content of 0–100 cm soil layer
in the test plot after leaching decreased by 0.54 cm3cm−3 for every 0.1 m increase in the
burial depth. The average soil moisture content of 0–100 cm soil in the test plot increased
by 0.08 cm3cm−3 when the burial depth remained unchanged, and the spacing increased
by 10 m. Before the irrigation test, the average salt content in 0–100 cm soil layer of each
test plot was 16.93–17.56 g/kg, which gradually decreased with the burial depth, and the
spatial variability of soil salt content was large in the same profile (Figure 3). After each
leaching test, the soil salt content in each plot showed similar decreasing trends, but the
spatial variability was still large. During the interval of two leaching tests, the salt content
of the profile increased under the joint influence of surface evaporation and soil capillarity,
and the most significant increase occurred in the 0–40 cm soil layer. From 4 June to 25 June
2019, the average salt content increased by 0.53–1.01 g/kg in the 0–100 cm soil layer in each
plot, and the average salt content increased by 0.81–2.79 g/kg in the 0–40 cm soil layer. No
leaching was carried out from November 2019 to May 2020, but the overall salt content of
the soil decreased. This was because the water in the soil melted and carried part of the salt
out of the soil, and the salt in the 0–40 cm layer of the surface layer significantly decreased.
The soil moisture content and salt content in T3 plot were significantly lower than those in
other plots during the experiment, while those in T7 plot were higher than those in other
plots (Figures 2 and 3). Water discharge led to a more obvious reduction in soil salinity with
a deeper burial depth and smaller spacing of the subsurface pipes. Moreover, the influence
of subsurface pipe on the surface 0–40 cm soil layer was more significant compared to other
layers, and the difference between the water content and salt content of deep soil in the
subsurface pipe is small among different plots.

3.2. The Salt Content and Soil Desalting Rate under Experimental Conditions and the
Influencing Factors

Linear regression was carried out between the salt concentration of the drainage in
the subsurface pipe (CD) and the soil salt content (So), irrigation amount (I), spacing (s) and
buried depth (d) as shown in Equation (21).

CD = 5.057So − 0.086I − 0.016s+0.531d − 39.848 (21)

The statistical parameters of the regression model are shown in Table 3. The soil salt
content before leaching and the buried depth of pipes had a significant positive influence on
the salt concentration of drainage, and the irrigation amount and spacing of the pipes had a
significant negative influence on the salt concentration of drainage. After each leaching, the
soil salt content varied greatly across the test plots. To compare the changes in the soil salt
content, Equation (2) was used to calculate and list the N of each plot after each leaching. N
was the desalting capacity of subsurface pipes under different layout conditions without
considering leaching (Table 4). After the arrangement of the subsurface pipe, the soil was
desalted by irrigation in each plot, and the N range was 10.83–37.94%. N decreased with
the increase in pipe spacing when the burial depth of pipes was the same. With the same
spacing, N increased with the increase in burial depth. However, the change in soil salt
content did not show a similar trend with N. After the irrigation test on 3 May 2020, the
highest N was 37.94% in T3 plot, but the change in soil salt content was 2.36 g/kg, which
was lower than that in other plots. The maximum change in soil salt content in T4 plot was
2.65 g/kg, and N was only 23.31%. With the progress of the experiment, the salt content of
the soil in the test plot decreased as a whole, it was more difficult to discharge the salt from
the soil, and the leaching effect of the subsurface pipe on the soil also decreased.
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Figure 2. Changes in soil water content (SWCs) of different soil layers in each test plot in 2019
and 2020.

Figure 3. Changes in soil salt content (SSCs) in different soil layers in each test plot in 2019 and 2020.
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Table 3. Multiple linear regression model test and parameter statistics for salt concentration in
subsurface pipe drainage.

Parameter

Denormalization
Coefficient

Standardization
Coefficient VIF p R2 F

B Beta

Constant −39.848 - - 0.018 *

0.902
F = 101.123
p = 0.000 **

So 5.057 0.811 1.307 0.000 **
I −0.086 −0.344 1.070 0.000 **
s −0.016 −0.577 1.298 0.000 **
d 0.531 0.224 1.125 0.000 **

Note: *, p < 0.05; **, p < 0.01.

Table 4. Change in soil salt content and desalination rate in each test plot after leaching in 2019–2020.

Treatment Time

Soil Salt
Content
Change
(g·kg−1)

Soil
Desalinization

Rate (%)
Time

Soil Salt
Content
Change
(g·kg−1)

Soil
Desalinization

Rate (%)
Time

Soil Salt
Content
Change
(g·kg−1)

Soil
Desalinization

Rate (%)

T1

15 May 2019

4.64 27.38

26 June 2019

2.45 18.75

17 July 2019

2.19 19.25
T2 4.98 29.23 2.49 19.51 2.08 19.40
T3 6.36 36.93 2.55 22.71 1.78 19.77
T4 4.42 25.19 2.02 14.39 2.14 15.86
T5 4.65 26.77 2.55 18.89 1.94 15.95
T6 4.85 28.32 2.89 22.58 1.85 16.74
T7 3.05 17.88 1.93 12.81 1.61 10.83

Treatment Time
Soil salt content
change(g·kg−1)

Soil desalinization rate (%) Time
Soil salt content change

(g·kg−1)

Soil
desalinization

rate (%)

T1

3 May 2020

1.69 18.30

28 June 2020

1.36 14.92
T2 1.92 25.59 1.49 22.38
T3 2.36 37.94 1.15 25.43
T4 2.09 18.04 1.54 13.38
T5 2.65 23.31 1.67 15.92
T6 2.59 25.59 1.75 19.63
T7 2.06 17.03 1.41 11.47

3.3. Calibration and Verification of Model Parameters

DRAINMOD model was calibrated and verified with the predicted and field mea-
surements. For example, the groundwater level data collected in 2019 was used for model
calibration, and the model parameters were adjusted within a reasonable range to minimize
the difference between the predicted and measured values. In the calibration process,
lateral saturated hydraulic conductivity, hydrodynamic dispersion coefficient, maximum
depth of surface water, the actual distance from the surface to impermeable layer, drainage
coefficient, initial groundwater depth and PET correction coefficient were mainly adjusted.
After that, the measured groundwater level data in 2020 were used to verify the calibrated
model. The results of statistical evaluation of DRAINMOD for simulating groundwater
level of 7 test plots in 2019–2020 are presented in Table 5. MAE, RMSE and NES were,
respectively, in the range of 3.51–5.83 cm, 13.78–41.64 cm and 0.57–0.81. The simulated
results of groundwater level by the 2019–2020 model were analyzed; it was found that some
output items were significantly different from the measured values, and they were mainly
concentrated in the time period of irrigation or rainfall. This is because the DRAINMOD
model is sensitive to soil water inputs. And the model assumes that the process from
leaching to production and drain into the pipes is immediate, but in practice, the process
from leaching to drain took more than a few hours. In addition, the soil composition of the
field was complex and presented spatial variability. The basic input data of soil profile for
the model could not fully reflect the actual soil condition of the whole plot, which resulted
in the failure to promptly and accurately reflect the change in the groundwater level in
individual periods. However, the model performed well on the trend of the groundwater
level in annual time series. In a word, the whole simulation results were overall acceptable.
The water-related outputs were used to calculate the salinity of the plot profile.
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Table 5. Evaluation of model simulation accuracy.

Treatment
2019 2020

MAE (cm) RMSE (cm) NSE MAE (cm) RMSE (cm) NSE

T1 4.11 21.65 0.76 3.82 16.01 0.81
T2 4.37 20.35 0.71 3.51 13.78 0.70
T3 5.07 28.29 0.69 4.54 22.98 0.78
T4 4.74 24.61 0.62 3.85 16.37 0.80
T5 5.25 29.51 0.64 4.16 18.98 0.69
T6 5.83 38.32 0.57 4.77 24.97 0.75
T7 6.15 41.64 0.60 5.01 36.90 0.69

Note: NSE, Nash–Sutcliffe efficiency coefficient; MAE, mean absolute error; RMSE, root mean square error.

3.4. Soil Salts Simulation with DRAINMOD Model

The salt content of soil in the 0–100 cm layer in 2019 and 2020 was simulated and
compared with the measured results (Figure 4 and Table 6). The MAE, RMSE and NSE of
soil salt content in 2019 were 0.32–1.36 g/kg, 0.40–1.41 g/kg and 0.41–0.89, respectively.
The MAE, RMSE and NSE of soil salt content in 2020 were 0.24–1.03 g/kg, 0.30–1.11 g/kg
and 0.40–0.92, respectively. From the results of statistical evaluation, it can be seen that
the model is more accurate to calculate the salt of the existing test plot, and it was feasible
to use this method to simulate the change in the salt profile under different layouts of the
subsurface pipe, which can be used to improve the layout of the subsurface pipe. According
to the simulation, the salt accumulated during each leaching interval. Since there was no
utilization of shallow groundwater, the salt increase only caused via surface evaporation. In
addition, the ET results for each plot obtained via the model during the same period were
not significantly different, so the accumulated salt values of each plot had a small difference.
After two years of leaching, the soil salt content decreased significantly. The leaching effect
of T3 plot was the best with an N of 77.12%, while the leaching effect of T7 plot was the
worst with an N of 36.63%. In 2019, the desalting effect was more significant than that in
2020. After four cycles of leaching in 2019, the N value of each plot was 33.28–67.00% from
the beginning of the experiment to the end of the year, and after three cycles of leaching
from the beginning of 2020 to the end of the year, the N of each plot was 3.48–30.70%. With
the decrease in soil salt content, the N of each plot was also decreasing gradually. When the
soil salt content decreased to a certain extent, the leaching effect of the plots with shallow
burial depth and large spacing of the subsurface pipe arrangement was no longer obvious,
and the N of T4 and T7 plots in the second year was only 3.48% and 5.03%. This provides a
direction for the determination of buried pipe parameters and leaching scheme.

Table 6. Evaluation of simulation accuracy of soil salt content.

Treatment
2019 2020

MAE
(g·kg−1)

RMSE
(g·kg−1)

NSE MAE
(g·kg−1)

RMSE
(g·kg−1)

NSE

T1 0.32 0.41 0.89 1.03 1.11 0.46
T2 0.78 0.82 0.70 0.29 0.42 0.84
T3 1.36 1.41 0.49 0.85 1.03 0.40
T4 0.34 0.40 0.86 0.24 0.30 0.92
T5 0.81 0.84 0.56 0.28 0.35 0.87
T6 1.06 1.09 0.41 0.63 0.73 0.61
T7 0.70 0.84 0.47 0.51 0.59 0.66

Note: NSE, Nash–Sutcliffe efficiency coefficient; MAE, mean absolute error; RMSE, root mean square error.
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Figure 4. Simulated and measured average soil salt content (SSCs) in the 0–100 cm soil layer in each
test plot in 2019 and 2020.

3.5. Soil Salt Content Simulation in Existing Plot and Predicted Plot after Sunflower Planting

The salt content changes in the 0–100 cm soil profile in the subsurface pipe control
area after sunflowers planting in the existing and predicted test plots during the period
2019–2020 were simulated, respectively, and the simulation results are shown in Figure 5.
The simulation showed that under the influence of shallow groundwater utilization and
evapotranspiration, during the growth period of sunflowers over two years, each plot
experienced a period when the soil salt content was higher than its threshold. In 2019,
the days of soil salt content being higher than the threshold of salt tolerance accounted
for 13.33–83.81% of the total growth period, and in 2020, the proportion was 0–93.33%. In
the first year of leaching, because of the higher soil salt content, all the plots could reduce
the yield of sunflower or fail to meet the growing conditions of sunflower. In the second
year of leaching, the soil salt content of most plots decreased, and the time below the salt
tolerance threshold of sunflowers increased. The partial test plot kept the soil salt content
below the threshold of sunflower salt tolerance during the growth period, and it had no
influence on the yield of sunflower. However, the phenomenon of salt accumulation in
the soil in individual plots became increasingly serious, and it was difficult to meet the
requirement of sunflower growth, especially in F5 plots; the ratio of time when the salt
content in the soil was above the threshold of salt tolerance to the total growth period of
sunflowers increased from 83.81% to 93.33%, and sunflowers could not grow well from the
seedling stage. On the one hand, these phenomena are related to the desalting capacity of
each plot during leaching. On the other hand, they are related to the groundwater level
caused by different layouts pipes, and the groundwater level of each plot also changed
with different layouts of pipes. The deeper the subsurface pipe is, the smaller the spacing
is, and the deeper the groundwater level is during the growth of sunflower. During the
irrigation period, the utilization of groundwater by sunflower decreased, and the salt above
the underground water entering the subsurface pipe also decreased. Therefore, the soil
salt content in the experimental plot was kept below the salt tolerance threshold during
the growth of sunflower. In conclusion, the normal growth conditions of sunflowers could
not be satisfied after only one year of leaching. In the second year, sunflower could be
successfully planted in some plots without reducing production. In the shallower and more
interspaced plots, when sunflower used groundwater, the soil salt content did not decrease,
and serious salt accumulation occurred. Therefore, in the improvement of the heavily
saline–alkali land in Hetao Irrigation District, the layout parameters of the subsurface
pipe with deeper burial depth and smaller spacing should be selected, which can not
only achieve good salt leaching effect in the irrigation process, but also have a significant
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inhibition effect on soil salt accumulation during the non-leaching period, so that crops can
grow normally, and the yield will not be affected.

Figure 5. Simulation of average soil salt content (SSCs) in 0–100 cm soil layer after planting sunflower
in existing and predicted test plots in 2019 and 2020.

3.6. Analysis of Rational Layouts of Pipes

With the data of the measured and predicted drainage and salt discharge by the
subsurface pipe, N was correlated with So, s, d and I, SCR was correlated with s, d and
annual soil desalting rate (Nt) of the subsurface pipe, and a clear quantitative relationship
was established (Table 7 and Figure 6).

Table 7. Multiple linear regression model test and parameter statistics of soil desalination rate under
sunflower planting conditions.

Parameter

Denormalization
Coefficient

Standardization
Coefficient VIF p R2 F

B Beta

Constant −61.548 - - 0.000 **

0.911
F = 678.203
p = 0.000 **

So 0.390 0.157 1.481 0.000 **
I 0.254 0.868 1.228 0.000 **
s −0.004 −0.121 1.041 0.000 **
d 0.151 0.209 1.212 0.000 **

Note: **, p < 0.01.

According to the above research results, the buried depth of the subsurface pipe should
be as deep as possible, so the buried depth of the subsurface pipe is set as the maximum
excavation depth of the machine used, namely 210 cm, which is also in the recommended
critical depth range for groundwater control in arid areas [34]. In order to meet different
requirements of salt drainage and salt control, the optimal buried space and desalting water
volume of the pipes can be obtained using the fitting Equations (22) and (23), based on the
initial salt content of this experiment (16.93 g/kg) and the buried depth of the subsurface

142



Water 2023, 15, 3001

pipe set to 210 cm, in order to keep 100% SCR of the soil in the control area during the
sunflower growth period. The aim is to remove 60%, 70%, 80%, 90% and 100% soil salt
from 100 cm of soil. According to the calculation, the buried spacing of the subsurface
pipe should be set as 562 cm, 902 cm, 1241 cm, 1580 cm and 1919 cm, respectively, and the
corresponding optimal irrigation water volume is 33.65 cm, 38.13 cm, 42.60 cm, 47.07 cm
and 51.54 cm. When the target N is 100%, the required water flow is 1.53 times of that when
the target N is 60%, but the number of subsurface pipes buried is only nearly 1/3 of that
when the target N is 60%. In conclusion, when soil desalting target (N) is low, less water is
required for irrigation, the pipe spacing can be increased, and the number of subsurface
pipes buried to meet the salt control requirements in the growth period of sunflowers
can be increased. When soil desalting target (N) is high, the amount of irrigation water
increases, the number of buried pipes decreases, and the buried cost of subsurface pipes in
the test area decreases.

Figure 6. Relationship between salt control rate and burial depth, spacing and sum of soil desalination
rate during the year.

According to the results, deep-buried subsurface pipes are beneficial to improve N.
On the premise of satisfying the desalting effect, the construction cost can be reduced, and
the groundwater level in the control area of pipe can be reduced. Thus, soil salinity in
the root layer of the subsurface pipe control area was kept at a relatively low level, which
could meet the soil conditions for crop growth. According to the initial soil salt content
and construction conditions in the improved area, the optimal subsurface pipe layout
parameters suitable for this area were obtained using Equations (22) and (23), Equation (23)
R2 is 0.906.

N = 0.390So+0.254I − 0.004s+0.151d − 61.548 (22)

SCR = 0.375d − 0.007s + 0.240Nt+10.790 (23)

where N is the soil desalting rate (%); SO is the soil salt content before leaching (g), I is the
irrigation quantity (cm); s is the spacing of subsurface pipes (cm); d is the buried depth of
subsurface pipes (cm); SCR is the salt control rate (%); and Nt is the total soil desalting rate
in the year (%).

4. Discussion

4.1. Effects of Subsurface Pipe Drainage on Soil Moisture and Salinity

As an important drainage management measure in farmland, most studies showed
that buried subsurface drainage has a great influence on the migration of soil water and
salt [13,18,43]. With the increase in buried depth or the decrease in spacing, the water
discharge rate of soil accelerated. Compared with the soil water content before irrigation,
the soil water content after irrigation was distributed more evenly from top to bottom,
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and the average soil water content decreased by 0.75 cm3cm−3 compared with that before
irrigation. This is consistent with the results of Wiskow and van der Ploeg [44]. With the
increase in the water displacement, the amount of salt discharged from the subsurface
pipe also increases [45], and the salt concentration and N of the water discharged from the
subsurface pipe are negatively correlated with the spacing, but positively correlated with
the buried depth. The influence of irrigation on the 0–40 cm soil layer of different plots is
greater, but the influence on the water content and salt content of the deep soil is less.

In arid and semi-arid areas where evaporation is large and groundwater level is
shallow, the salt in the bottom layer will accumulate to the surface with water due to
evaporation and crop transpiration after irrigation, and there is still a risk of salinization
even after irrigation [46]. However, there are relatively few studies on salt accumulation in
subsurface pipe test plots after irrigation. This study found that plots with good perfor-
mance in irrigation can also play an effective role in inhibiting salt during non-irrigation,
especially plots with the same spacing, and a large burial depth can control soil salt below
the threshold of crop salt during the crop growth period. This indicates that the buried
depth of the subsurface pipe has more obvious influence on the water and salt transport in
soil profile than the spacing in saline–alkali soil improvement.

4.2. The Influence of Field Conditions on the Layout of Pipes

Under different soil and water environment of farmland and research objectives, the
recommended layout parameters of concealed pipe will be different. When the precipitation
of the study area is large and the degree of salinization is light, a shallow buried depth of the
subsurface pipe is generally recommended [47,48]. In the arid and semi-arid irrigated area
where this study is located, rainfall is low, and soil salinization degree is serious. In order
to achieve effective salt leaching effect, it is urgent to increase the drainage and drainage
amount of subsurface pipe to reduce soil salt. The results show that the buried depth of the
subsurface pipe with better desalting effect in the test plot is above 1.8 m, and the soil salt
content in the plot with a buried depth of 1 m increases rather than decreases during the
two-year irrigation test. Therefore, based on the results of this study, it is recommended
to bury the buried pipe with a depth greater than 1.8 m in saline–alkali soil improvement
under current conditions. This is consistent with the findings of Qian et al., whose research
showed that N is close to 0 when the buried depth of the pipe is less than 1 m [34].

Along with the increase in buried depth of subsurface pipes, it also leads to the loss of
water and nutrients in soil to a certain extent, which will lead to eutrophication of drainage
zone [49,50]. In order to solve this problem, on the basis of the single-layer drainage ar-
rangement, multiple drainage methods such as double-layer drainage, controlled drainage
and the combination of concealed pipe and shaft drainage were developed, which not
only improved irrigation efficiency and alleviated drought stress, but also reduced nutrient
loss [23,51]. However, there are few related research results of the above layout of sub-
surface pipe drainage, so there are certain limitations in the promotion. There are many
research results on the arrangement of single-layer subsurface pipes, and the arrangement
of single-layer subsurface pipe has better applicability. In this study, soil salinization can be
successfully reduced, and crops can grow normally after two years of irrigation under the
single-layer pipe arrangement. In order to avoid the negative effects of drought threat and
nutrient loss caused by deep-buried pipes, based on the current research results, various
other improvement methods can be considered, such as adding organic fertilizer and straw
biochar in the field [32] or laying low permeability mulching film [52]. The improvement on
the basis of not changing the layout of subsurface pipe provides a solution for the farmland
that has laid subsurface pipes and encountered the above problems. The selection of the
layout parameters of the subsurface pipe should be the target of the next research.

5. Conclusions

In the arid and semi-arid region of Hetao irrigation district, Inner Mongolia, the effects
of subsurface pipe layout on soil salinity were studied via field experiment and numerical
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simulation. The smaller the spacing and the deeper the buried pipe, the more beneficial the
drainage of water and salt in soil. The influence of buried pipes on the water content and
salt content of 0–40 cm surface soil is significant, and the difference of deep soil leaching
in different plots is small. As the salt content of soil decreases, the more difficult it is for
the salt to discharge from the soil, and the leaching effect also decreases. Based on the
consideration of salt drainage and salt control, if the field conditions allow, the buried pipe
should be the main buried pipe in the improvement of arid saline–alkali land. To make
the results more convincing, the DRAINMOD model and drainmod equation were used to
simulate the water and salt migration in soil. The results showed that MAE, RMSE and
NSE were 0.24–1.36 g/kg, 0.30–1.41 g/kg and 0.40–0.92, respectively. The proposed method
could accurately simulate the dynamic changes in soil water and salt content in the period
2019–2020. This is very beneficial to the improvement of saline–alkali land in arid and
semi-arid areas. By using the calibrated model combined with the calculation of the water
and salt profile, we can obtain the most suitable local concealed pipe layout parameters and
the best irrigation water amount under different salt discharge and salt control objectives,
which reduces the cost and greatly improves the work efficiency of the concealed pipe
improvement of saline–alkali soil. The calculated pipe layout parameters can control the
soil salt content below the threshold of crop salt tolerance during the crop growth period,
which provides technical support for the sustainable development of farmland.
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Abstract: Dual-frequency ultrasound (DFUS) coupled with sonocatalysts has emerged to be an
advanced tool for antimicrobial applications in medicine but remains scarcely studied for water
disinfection. In the present work, we first integrated high-frequency DFUS (120 + 1700 kHz), per-
sulfate (S2O8

2−) and ZnO nano- (50 nm) and microparticles (1 μm) for eradicating Escherichia coli
and Enterococcus faecalis in synthetic water. For E. coli, the efficiency of DFUS-based processes can be
ranked as follows: DFUS < DFUS/ZnO < DFUS/S2O8

2− < DFUS/ZnO/S2O8
2−. A similar efficiency

of the DFUS/S2O8
2− and DFUS/ZnO/S2O8

2− processes was found for more resistant E. faecalis.
In the absence of persulfate, the performance of 1 μm ZnO was higher than that observed with
50 nm for inactivating E. coli via the DFUS/ZnO and 1700 kHz/ZnO processes. A synergy of DFUS
in terms of 5-log (total) reduction was found in the S2O8

2−/ZnO-based systems, being higher for
E. faecalis (synergistic coefficient = 1.8–3.0). The synergistic effect was proposed to be driven by the
boosted generation of reactive oxygen species and sonoporation. This study opens prospects for the
development of novel DFUS-based piezo-catalytic systems for efficient water disinfection.

Keywords: dual-frequency ultrasound; 120 kHz; 1700 kHz; synergistic effect; zinc oxide; persulfate;
piezo-catalysis; microbial inactivation

1. Introduction

Environmentally safe, effective and rapid water disinfection remains an up-to-date
problem in view of limited drinking water supply in many parts of the world. Ultrasoni-
cation is known as an efficient green method for inactivating pathogenic microorganisms
in water using reactive oxygen species (ROS), such as hydroxyl radicals (•OH). These are
produced from the collapse of microbubbles during acoustic cavitation and the sonoacti-
vated catalysts/oxidants if used. The latter refers to ultrasound-based advanced oxidation
processes (US-AOPs), such as semiconductor sonocatalysis and sonophotocatalysis, which
are regarded as powerful tools for water treatment and disinfection due to boosted ROS
generation and hence shortened exposure times and reduced energy requirements [1–5].
It is important to emphasize that previous research on microbial inactivation in aqueous
media by US-AOPs dealt mainly with single-frequency ultrasound.

The other way of improving the performance of ultrasonication is simultaneous expo-
sure to two or more frequencies. This may lead to synergy in terms of increased inactivation
efficiency (rate), which is higher than the sum of that obtained under single frequencies. In
our review, dual-frequency ultrasonication coupled with catalysts/oxidants, i.e., DFUS-
AOPs, has been identified as a promising strategy for water disinfection [6]. Unlike the
degradation of organic contaminants, the inactivation of microbial pathogens in water
by DFUS-AOPs is still poorly studied. So far, DFUS at low frequencies (≤100 kHz) was
employed for water disinfection in pairs of 16 + 20 kHz [7], 17 + 33 and 70 + 100 kHz com-
bined with NaClO [8,9]. Nonetheless, DFUS at high frequencies (>100 kHz up to 2.4 MHz)
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was successfully used over the last decade in medical research on sonodynamic therapy
(SDT) and sonoantimicrobial chemotherapy [10–14]. Briefly, SDT induces the apoptosis of
target (tumor) cells by ROS, which are generated upon the ultrasonic excitation of organic
and inorganic sonosensitizers. Historically, organic sonosensitizers, such as porphyrins
and xanthones, were derived from SDT. Inorganic sonosensitizers (piezo-catalysts), pri-
marily modified TiO2 and ZnO and their composites, have wider applications and also
showed a high efficiency for microbial inactivation via single-frequency sonocatalysis in
the low-frequency range of 20–48 kHz [15–17]. Meanwhile, recent single-frequency SDT
studies have confirmed the high efficiency of modified TiO2- and ZnO-based catalysts upon
excitation with a high frequency of 1 MHz [18–22]. Regarding dual-frequency SDT research,
only Ninomiya et al. (2014) [23] reported enhanced •OH production by the simultaneous
application of DFUS (0.5 + 1 MHz) and TiO2 nanoparticles modified with targeting protein.
Given the promising results of SDT, we consider integrating high-frequency DFUS and
inorganic sonocatalysts as a novel hybrid DFUS-AOP for improved water disinfection.

ZnO represents a bio- and eco-friendly, stable and low-cost product with numerous
applications. It is known that ZnO exhibits high piezoelectric properties due to its noncen-
trosymmetric crystal structure [24]. This means that under the action of mechanical forces,
the electric charge (electron and holes that move in opposite directions) appears on the
crystals [25]; therefore, under exposure to ultrasonic waves in aqueous media, the occurred
electric charge changes with the same frequency. Electrons and holes react with O2 and
H2O with the generation of ROS, such as •O2

−, •OH and H2O2, via a known mechanism
for piezoelectric catalysts [26]. The generated ROS facilitate lipid peroxidation that affects
membrane structure and fluidity and leads to significant damage to membrane proteins [27].
As such, piezo-catalytic disinfection over the last few years has emerged as a highly efficient
and inexpensive technology [28]. Recently, Li et al. (2023) [29] comprehensively surveyed
the mechanisms of piezoelectric effect-mediated catalysis with different piezoelectric ma-
terials and their applications in environmental pollution remediation, including water
disinfection. •OH was found to be the main oxidation species under exposure to 38 and
80 kHz in the presence of ZnO [30], whereas •O2

− and •OH were primarily generated by
the 1 MHz + ZnO process [31]. ZnO-based composites, such as Bi2O3-ZnO-B2O3 [32,33],
are also fabricated and used for piezo-catalysis.

To our knowledge, DFUS coupled with a piezo-catalyst, such as ZnO, has not been
applied for microbial inactivation neither for water disinfection nor for SDT. In our previous
work, a high synergistic effect of DFUS (120 + 1700 kHz) coupled with persulfate was found
for bacterial inactivation in water [34]. The choice of these frequencies is due to the wide
use and low price of commercial converters and producers that make them attractive for
full-scale application. Specifically, the first frequency (120 kHz) is applied for the precision
cleaning of complicated industrial parts, and the second frequency (1700 kHz) is commonly
used for making water mist in nebulizers and humidifying the indoor air.

The present study is the first to explore a potential synergy of high-frequency DFUS in
the presence of persulfate and ZnO nano- and microparticles towards the piezo-catalytic
inactivation of Escherichia coli and Enterococcus faecalis in synthetic water. The comparison
of the piezo-catalytic performance of nano- and microparticles represents considerable
interest due to their different toxicological properties. Furthermore, a novel hybrid system,
which simultaneously exploits DFUS, ZnO and persulfate, was also examined for enhanced
inactivation efficiency.

2. Materials and Methods

2.1. Test Bacteria

Bacterial strains Enterococcus faecalis B 4053 and Escherichia coli K-12 were supplied
by the State Research Institute of Genetics and Selection of Industrial Microorganisms
(Genetika, Moscow, Russia). Cultures of E. faecalis and E. coli were grown aerobically with
shaking at 37 ◦C and 180 rpm (Biosan ES-20, Riga, Latvia) in tryptic soy broth (Merck,
Darmstadt, Germany) and nutrient broth (SRCAMB, Obolensk, Russia), respectively. After
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overnight culturing, the cells were harvested by centrifugation at 1690× g for 5 min (C2006,
Centurion Scientific, Chichester, West Sussex, UK) and washed twice with phosphate-
buffered saline (PBS, pH 7.4, Rosmedbio Ltd., St. Petersburg, Russia). Washed cells
were then resuspended in PBS to obtain a stock suspension containing approximately
108 CFU/mL. For disinfection experiments, 1.5 L deionized water was contaminated with
a 150 μL aliquot of cell suspension to obtain synthetic water with an initial cell count of
105 CFU/mL.

2.2. Single- and Dual-Frequency Ultrasonication

Inactivation experiments were performed in an orthogonal rectangle-shaped ultrasonic
setup (Figure 1). Briefly, it represents a 4 L stainless steel water reservoir with four 120 kHz
converters (50 W each, Fan Ying Sonic, Granbosonic Ultrasonic Producer 300 W/120 kHz,
Shenzhen, China) on its long opposite sides and six 1700 kHz converters (total power
150 W, MSX, model ZCX-RM6D48F, Jiaxing, China) as a single unit, which was placed on
the bottom of the reservoir. The water to be disinfected was thermostated at 20 ± 2 ◦C by a
water jacket.

Figure 1. A diagram of dual-frequency ultrasonic setup. 1—water reservoir, 2—ceramic converter
(120 kHz), 3—ceramic converter unit (1700 kHz), 4—ultrasonic producer (120 kHz), 5—power source
(48 V).

Synthetic water containing 105 CFU/mL of E. coli or E. faecalis was irradiated in dual-
frequency mode with added 1 g/L ZnO nano- or microparticles (99.7%, Hebei Shengyin
Packaging Material Co., Ltd., Shijiazhuang, China) and 100 mg/L potassium persulfate
(Vekton, St. Petersburg, Russia). Micro- and nanoparticles were 1 μm and 50 nm in size,
respectively. Generally, the following hybrid systems were designed in this study:

• 120/1700 kHz/ZnO (50 nm);
• 120/1700 kHz/ZnO (1 μm);
• 120/1700 kHz/ZnO (50 nm)/S2O8

2−;
• 120/1700 kHz/ZnO (1 μm)/S2O8

2−.

To evaluate the synergistic effect of DFUS in terms of inactivation, target bacteria
were also sequentially treated via single-frequency at 120 and 1700 kHz in the above piezo-
catalytic systems. The CFUs were enumerated via the serial dilution technique in triplicate
after incubation on tryptic soy agar (E. faecalis) and nutrient agar (E. coli) plates at 37 ◦C for
24 h. The obtained data were presented as plots of the log reduction (Lg(N/N0)) versus
irradiation time (min). Each data point is the mean value (±SD) from 3 to 5 replicates. The
statistical treatment of the data was carried out with the Statistica 10.0 software program.

Radical scavenging tests were conducted under DFUS conditions using p-chlorobenzoic
acid (pCBA) as a probe compound (Supplementary Material, Text S1).
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3. Results and Discussion

3.1. Single-Frequency Piezo-Catalytic Inactivation

The efficiency of single-frequency inactivation was compared in terms of log reduction
between two frequencies (120 and 1700 kHz), ZnO- and S2O8

2−-mediated processes and
ZnO particle sizes (50 nm and 1 μm). The target bacteria were resistant to ultrasonic
exposure at 120 or 1700 kHz alone, while adding an oxidant or catalyst caused a measurable
inactivation in most cases. Comparing two frequencies, 1700 kHz performed better than
120 kHz in the presence of ZnO or S2O8

2− (1700 kHz/ZnO and 1700 kHz/S2O8
2− systems),

and 5-log (total) reduction was attained with this frequency and persulfate (Figure 2).

Figure 2. Single-frequency piezo-catalytic inactivation of E. coli (a) and E. faecalis (b) in the
presence of ZnO micro- and nanoparticles and persulfate. N0 = 105 CFU/mL, [ZnO]0 = 1 g/L,
[S2O8

2−]0 = 0.1 g/L. Error bars represent ±SD.

The obtained result suggests that more ROS are produced under ZnO or S2O8
2−

activation with 1700 kHz. This is consistent with the data of Vighetto et al. (2019) [35], who
found that ROS exposure at 1 MHz in the presence of ZnO-NH2 nanocrystals (20 nm) was
one order of magnitude higher than that obtained at 150 kHz. The authors proposed that
the applied ultrasonic conditions were even sufficient to initiate the acoustic cavitation of
gas nanobubbles trapped at the catalyst surface. Earlier, Mason et al. (2011) [36] proved
that the efficiency of •OH production increases as the frequency is increased and more
radical reactions occur at higher frequencies. This is explained by decreasing the radius
of microbubbles with increasing frequency, which accelerates their collapse and yields
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more ROS. Particularly, the microbubble radius at 500 kHz was ~25-fold lower than that
measured at 20 kHz, and higher production of H2O2 and •OH was observed [37].

Under dark conditions, i.e., upon contact of cells with ZnO micro- and nanoparticles
without ultrasonic exposure, E. coli was reduced by ~1-log and E. faecalis was not inactivated
(Supplementary Material, Figure S1). In 120 kHz/ZnO mode, E. faecalis remained resis-
tant, whereas E. coli was inactivated by 1.8–1.9-log at both particle sizes. Considering the
1700 kHz/ZnO process, the log reduction of E. coli with 1 μm ZnO was significantly higher
than that observed with 50 nm (4.3-log vs. 2.6-log after 90 min exposure). Meanwhile, this
finding was not significant for E. faecalis (1.5-log vs. 1.2-log after 180 min exposure). It is
known that ZnO toxicity increases with decreasing the particle size and ZnO nanoparticles
are more toxic to bacteria than microparticles [38]. Furthermore, ZnO nanoparticles were
reported to be the most toxic to different bacteria among the nano-sized TiO2, Al2O3 and
SiO2 [39]. However, piezo-catalytic inactivation in the absence of persulfate appears to have
an inverse relationship, and the microparticles make a greater contribution to ROS genera-
tion. This is supported by the fact that the piezoelectric properties of ZnO microparticles
(~10 μm) are significantly higher than those of nanoparticles (80–100 nm) [40]. It is known
that piezoelectric properties are quantitatively described by the piezoelectric coefficient
(usually written “d33”). Li et al. (2015) [41] found that d33 depends on the ZnO particle
size, increasing from 8.36 pm/V at 800 nm to 46.97 pm/V at 1.5 μm. Accordingly, the
piezoelectric properties of ZnO microparticles are several times superior to nanoparticles,
and therefore the former generates more radicals.

The comparison of the 1700 kHz/S2O8
2− and 1700 kHz/ZnO modes showed the

higher efficiency of the persulfate-based process by which E. coli and E. faecalis were com-
pletely inactivated after 60 and 120 min exposure, respectively. In all cases, the inactivation
of E. faecalis, which is the more resistant Gram-positive bacterium, required prolonged
irradiation time as compared to E. coli. The hybrid system {1700 kHz/ZnO/S2O8

2−} was
the most efficient for eradicating E. coli by 5-log for 30 min treatment (Figure 2). On the
contrary, the performance of this system for the total inactivation of E. faecalis was similar
to that of the 1700 kHz/S2O8

2− process. Notably, when using 1 μm ZnO, the lag period
was shorter and the log reduction was higher up to 90 min exposure.

The hybrid system {120 kHz/ZnO/S2O8
2−} was much less efficient and showed on

average a 2.5- and about a 1-log reduction in E. coli (90 min) and E. faecalis (180 min),
respectively. No effect of particle size was observed when comparing the performance of
hybrid US/ZnO/S2O8

2− processes, presumably due to the dominating effect of activated
persulfate. This can be explained by the greater yield of ROS (SO4•− and •OH) from
activated persulfate as compared to ZnO (•OH). Wen et al. (2023) [42] also reported that
SO4•− and •OH (as a product of SO4•− hydrolysis) were produced under the piezo-
activation of Co-ZnO nanorods and persulfate.

In summary, single-frequency experiments revealed that piezo-catalytic inactivation
with 1700 kHz was more efficient than that with 120 kHz. The performance of 1700 kHz-
based processes can be ranked for E. coli as follows: 1700 kHz < 1700 kHz/ZnO < 1700
kHz/S2O8

2− < 1700 kHz/ZnO/S2O8
2−. For E. faecalis, the 1700 kHz/S2O8

2− process
performed comparably in the absence and presence of ZnO that assumes the hidden
contribution of the catalyst.

3.2. Dual-Frequency Piezo-Catalytic Inactivation and Synergistic Effect

Figure 3 shows that DFUS alone can slightly inactivate selected bacteria. Specifically,
E. coli was inactivated by 1.7-log, whereas E. faecalis did not exhibit measurable inactiva-
tion after 90 min exposure. To enhance the generation of ROS and explore the potential
synergistic effect between two frequencies, dual-frequency piezo-catalytic inactivation was
investigated using ZnO particles and persulfate separately and simultaneously. As can be
seen from Figure 3, the hybrid system {120/1700 kHz/ZnO/S2O8

2−} provided the fastest
total inactivation of E. coli (25 min).
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Figure 3. Dual-frequency piezo-catalytic inactivation of E. coli (a) and E. faecalis (b) in the pres-
ence of ZnO micro- and nanoparticles and persulfate. N0 = 105 CFU/mL, [ZnO]0 = 1 g/L,
[S2O8

2−]0 = 0.1 g/L. Error bars represent ±SD.

Similar to single-frequency disinfection, the inactivation kinetics of E. faecalis via the
DFUS/S2O8

2−/ZnO and DFUS/S2O8
2− processes were similar, and a 5-log reduction was

achieved after the same exposure time (100 min). In turn, the DFUS/S2O8
2− process was

also more efficient than the DFUS/ZnO process and the difference was more pronounced
for E. faecalis. As observed under single-frequency ZnO/S2O8

2− conditions, no difference
between the 50 nm and 1 μm particle sizes was found in the {DFUS/ZnO/S2O8

2−} system.
In the absence of persulfate (DFUS/ZnO), the performance of 1 μm for inactivating E. coli
was also higher than that observed with 50 nm. Specifically, the complete (5-log) inactiva-
tion of E. coli was attained faster using ZnO microparticles. No effect of particle size was
observed for E. faecalis, and its 5-log reduction required the same time (180 min) (Figure 3).

The synergistic effect of DFUS in efficient systems was evaluated through the synergis-
tic coefficient (SC). An SC value larger than 1 indicates synergy, whereas an additive and
an antagonistic effect are observed when the SC is equal to and less than 1, respectively [6].
A synergy occurs if log reduction after DFUS treatment is higher than the sum of log re-
ductions obtained after single-frequency treatment. The log reductions in single-frequency
mode were obtained for the same exposure periods, which were needed for achieving a
5-log reduction in DFUS mode (Table 1). A fixed time for evaluating a synergy of DFUS
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was also previously used by Adelnia et al. (2020) [43]. Given that approach, the synergistic
coefficient was determined relative to the 5-log reduction times for the DFUS process (1):

SC =
Log reduction(120 + 1700 kHz)

Log reduction(120 kHz) + Log reduction(1700 kHz)
(1)

Table 1. The synergistic coefficients of piezo-catalytic inactivation using DFUS (120 + 1700 kHz), ZnO
particles and persulfate.

Strain System ZnO Particle Size
5-Log Reduction

Time, min
Sum of Log Reductions after
Single-Frequency Treatment

SC

E. coli K-12

DFUS/ZnO/S2O8
2− 50 nm 25 3.8 1.3

1 μm 25 4.3 1.2

DFUS/ZnO
50 nm 90 4.4 1.2
1 μm 75 4.4 1.2

DFUS/S2O8
2− no ZnO 40 2.3 2.3

E. faecalis B
4053

DFUS/ZnO/S2O8
2− 50 nm 100 3.3 1.5

1 μm 100 3.8 1.4

DFUS/ZnO
50 nm 180 1.7 3.0
1 μm 180 1.7 2.9

DFUS/S2O8
2− no ZnO 100 2.9 1.8

Generally, the synergistic effect for inactivating E. faecalis by ZnO-based processes was
higher than that for E. coli, which is a more susceptible organism and inactivated faster
(Table 1). Interestingly, SC values were similar for micro- and nanoparticles within the
same system. In the case of the DFUS/S2O8

2− process, E. coli exhibited higher synergy due
to a greater difference between dual- and single-frequency (1700 kHz/S2O8

2−) inactivation
curves (Supplementary Material, Figure S2). The highest synergistic effect (SC = 3.0)
was found for E. faecalis in the {DFUS/ZnO} system (Supplementary Material, Figure
S3), whereas the SC value for E. coli was lower by a factor of 2.5. This is explained by
the contribution of the 120 kHz/ZnO system (1.8–1.9 log reduction), which reduced the
synergistic effect of the DFUS mode for E. coli (Supplementary Material, Figure S2).

It is known that the dual-frequency ultrasonication of water enhances acoustic cav-
itation due to the production of new (combination) frequencies, as discussed in detail
previously [6,44]. Briefly, under the nonlinear interaction of two acoustic waves at different
frequencies in water, the combination frequencies are produced alongside the main and
additional frequencies (harmonics, subharmonics, and ultraharmonics). The combination
frequencies represent a sum or a difference of two main frequencies, main frequencies,
harmonics and so on. These new frequencies make the oscillating microbubbles unstable
and increase the probability of their collapse [45], which enhances cavitation and generates
more ROS. Specifically, Lei et al. (2020) [46] explored the system {20 + 43 kHz/persulfate}
towards the degradation of petroleum hydrocarbons and confirmed that DFUS generates
more SO4•− and •OH than single-frequency US/persulfate.

A synergistic effect can be attributed to the boosted generation of ROS, thus intensi-
fying the inactivation processes. The increased generation of •OH and SO4•− was also
reported under the activation of persulfate with low-frequency DFUS for the synergis-
tic degradation of per- and polyfluoroalkyl substances [47]. Other related research dealt
with the single-frequency system {US/ZnO/S2O8

2−}, which has attracted attention for
its cost efficiency. This system was majorly induced by •OH and SO4•− [48,49]; other
ROS, such as 1O2 and •O2

-, were also identified [42,50,51]. These ROS destroy the cellular
membrane by damaging proteins and lipids. The examination of the cell wall of E. coli by
scanning electron microscopy (SEM) showed its disruption after exposure to •OH from
US/ZnO [52]. Our •OH scavenging tests showed that pCBA was degraded faster by
the {120 + 1700 kHz/ZnO/S2O8

2−} process as compared to the {120 + 1700 kHz} process
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(Supplementary Material, Figure S4). This indicates that more ROS were produced in the
presence of ZnO and persulfate.

We propose that cell permeabilization via acoustic cavitation (sonoporation) also plays
an important role in inactivation. Zhang et al. (2012) [53] investigated different types of
sonoporation in detail using SEM and found that the morphological changes of the cell wall
and its poration were lethal to cells. Recently, Ali et al. (2023) [54] reviewed the data on
exposure to ROS and ultrasound and reported that the radicals were also produced inside
the cell (intracellular ROS). Sonoporation facilitates the penetration of ZnO particles [15]
and extracellular ROS (generated outside the cell) into sonoporated cells [3] that ultimately
accelerate their apoptosis. In turn, the penetrated ZnO particles also generate intracellular
ROS which damage the organelles [15].

In summary, a synergistic effect of DFUS in the presence of ZnO and S2O8
2− is

supposed to be driven by the simultaneous action of two different mechanisms of inacti-
vation via (1) generated ROS and (2) sonoporation with associated effects. A comparison
of DFUS-based processes showed that the contribution of ZnO was also hidden in the
DFUS/ZnO/S2O8

2− process for E. faecalis. For E. coli, the efficiency of DFUS-based pro-
cesses increased in the order: DFUS < DFUS/ZnO < DFUS/S2O8

2− < DFUS/ZnO/S2O8
2−.

4. Conclusions

This study revealed the synergistic inactivation of E. coli and E. faecalis in synthetic
water via dual-frequency ultrasound at 120 and 1700 kHz with added persulfate and ZnO
particles. Apparently, the intensification of inactivation processes under DFUS exposure is
driven by at least two key processes, attack by increased ROS yield and sonoporation, which
ultimately create a synergistic effect. Microparticles, which are more favorable to the aquatic
environment, were found to be more efficient than nanoparticles for inactivating E. coli via
ZnO-mediated processes. The present study supplies the integration of high-frequency
DFUS, persulfate and piezo-catalyst ZnO as a novel approach for further development in
water disinfection.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/w15162937/s1, Figure S1: Inactivation of bacteria in the presence
of ZnO micro- and nanoparticles under dark conditions (control); Figure S2: Single- and dual-
frequency inactivation of E. coli in the presence of ZnO micro- and nanoparticles and persulfate;
Figure S3: Single- and dual-frequency inactivation of E. faecalis in the presence of ZnO micro- and
nanoparticles and persulfate; Figure S4: Dual-frequency degradation of pCBA in the absence and
presence of ZnO microparticles and persulfate.
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Abstract: The photocatalytic performance of g-C3N4 materials prepared by different precursors for
Rhodamine B (RhB) dye degradation was studied. Their crystal structure, morphologies, chemical
compositions, functional groups, and optical and photoelectrochemical performances of prepared
g-C3N4 were analysed and characterised using X-ray diffraction, scanning electron microscopy, X-
ray photoelectron spectroscopy, Fourier transform infrared spectroscopy, UV-Vis diffuse reflectance
spectra, photoluminescence, and electrochemical workstations. The degradation of RhB dye in
the presence of visible light and sunlight was utilised to assess the photocatalytic efficiency of
the g-C3N4 photocatalyst. The results of the photocatalytic comparison experiment showed that
the g-C3N4 photocatalyst prepared with urea as a precursor (UCN) has the best photocatalytic
performance, achieving 99.61% removal in 40 min. In addition, the photocatalyst UCN can completely
degrade 10 mg/L RhB dye within 20 min under sunlight, demonstrating its potential for practical
applications under natural sunlight conditions. After four cycles, the degradation rate remains
above 99%, demonstrating excellent stability and reusability. Due to its lower average pore number,
larger BET-specific surface area and volume of pores, UCN provides more activity spaces and
facilitates the adsorption of pollutant molecules, thereby enhancing photocatalytic activity. It was
established through the active substance trapping studies that the main reactive species involved
in the photocatalytic degradation process of RhB dye is •O2

−. This study showed that g-C3N4

synthesised with urea as the precursor has better photocatalytic performance in the degradation of
RhB dye.

Keywords: g-C3N4; urea; melamine; photocatalysts; Rhodamine B

1. Introduction

With the continuous advancement of China’s industrialisation and urbanisation, envi-
ronmental pollution, such as water pollution, has become an increasingly severe problem,
a crucial factor restricting economic development and social progress [1]. Many efforts
have been made to eliminate contaminants from the water. Recently, photocatalysis tech-
nology was investigated for removing organic dyes from water because of its mild reaction
conditions, low price, cleanliness, and high efficiency [2,3]. Budnyak et al. [4] synthesised
the photoactive lignin/Bi4O5Br2/BiOBr bioinorganic complex site and found that 18.9% of
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Bi4O5Br2/BiOBr exhibited photocatalytic degradation capabilities towards cationic methy-
lene blue and Rhodamine B (RhB) dyes under 20 W blue light irradiation. Li et al. [5]
fabricated a C-BiOCl composite photocatalyst and found that it exhibited superior pho-
tocatalytic activity with RhB dye degradation irradiated for only 6 min under a 300 W
Xe arc lamp. Zhang et al. [3] synthesised ZSM-5/Bi4O5Br2 photocatalysts and found that
1ZSM-5/Bi4O5Br2 had an excellent photocatalytic performance. The RhB dye removal
rate reached 99.86% within 25 min under 300 W Xe arc lamp irradiation. Yang et al. [6]
synthesised a nitrogen-deficient porous g-C3N4 photocatalyst that can completely degrade
RhB dye in just 20 min under simulated visible light irradiation.

The photocatalytic process depends on highly active substances, such as superoxide
radicals (•O2

−), hydroxyl radicals (•OH), and holes (h+) produced by the photocatalyst
after absorbing light energy to decompose target pollutants [7]. Various photocatalysts,
including TiO2-based [8], Bi-based [9,10], Mo-based [11], Zn-based [12], and Ag-based [13]
semiconductors, have been developed and effectively removed RhB dye. Nevertheless,
many of the aforementioned photocatalysts might give off precious elemental metals, in-
troducing the risk of additional contamination caused by the release of metals from the
photocatalysts. Therefore, metal-free photocatalysts are environmentally friendly alterna-
tives that have prospective widespread usage [14].

Graphite carbon nitride (g-C3N4) has generated considerable interest as a metal-free
photocatalyst because of its straightforward and affordable synthesis; energy bandwidth for
solar power collection; thermal stability; trustworthy chemical inertness; and electrochem-
ical, multipurpose, and nicely organised photocatalytic characteristics [15–17]. g-C3N4
has the in-plane tri-s-triazine units, and the sp2-hybridised carbon and nitrogen form a π-
conjugated system, advantageous for modifying materials based on nanosheets in electrical
and optical electronics [18,19]. g-C3N4 has good photocatalytic performance because of the
narrow band gap and capacity to take in light that is visible, which can effectively absorb
and use the light of wavelengths below 460 nm [20]. The g-C3N4 band gap is approximately
2.70 eV, and the conduction band (CB) potential is negative (−1.3 eV), providing a strong
reduction ability for photogenerated electrons [21]. The synthesis methods of g-C3N4
primarily include deposition [22,23], template [24], solvothermal [25], and thermal poly-
merisation [26,27]. Thermal polymerisation is frequently employed because of its affordable,
easy availability of raw materials, and simple operation. A few molecules with a high
nitrogen content, such as cyanamide [28], dicyandiamide [29], melamine [30], and urea [31],
served as a single source of molecular antecedents to fabricate g-C3N4. Ma et al. [32] pre-
pared g-C3N4 from various raw materials using thermal polycondensation, and the shapes
of the products obtained using mono-cyanamide, dicyandiamide, and melamine were
spherical, irregular, and layered, respectively. Liu et al. [33] prepared 3D interconnected
g-C3N4 via one-step thermal polymerisation using melamine and cyanuric acid.

The occurrence of catalytic reactions necessitates adsorption, and numerous studies
have highlighted that optimal adsorption can yield enhanced catalytic efficiency [34,35].
Zhang et al. [36] loaded Cu on an oxide semiconductor surface to improve wastewater
remediation, and the results showed that Cu particle deposition can improve the adsorp-
tion activity of a single oxide and thus improve the photocatalytic activity. Luo et al. [37]
demonstrated that the adsorption process promotes the photodegradation of pollutants by
g-C3N4, while the photodegradation of dyes supported on g-C3N4 regenerates its adsorp-
tion capacity many times, indicating that the photocatalytic process also enhances pollutant
adsorption on g-C3N4. Yu et al. [38] confirmed that a modified g-C3N4/MgZnAl-calcined
layered double hydroxide composite (MCN/cLDH) possesses a large SBET-specific surface
area, which enhances its adsorption capacity and improves the separation efficiency of
photogenerated carriers. Furthermore, MCN/cLDH nanostructures exhibit enhanced syn-
ergistic degradation through adsorption-photocatalysis to remove oxytetracycline (95.73%)
from artificial seawater. Ni et al. [39] demonstrated that the addition of g-C3N4 to CCN
(Co3O4 QDs/3D g-C3N4) catalyst led to an increase in tetracycline adsorption, indicating
that an optimal amount of g-C3N4 as a Co3O4 QDs carrier can enhance adsorption and
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expose more active sites, thereby achieving the best synergistic effect between adsorption
and oxidative degradation. Liu et al. [40] prepared an efficient three-dimensional (3D)
hollow porous C-doped polymeric carbon nitride (CPCN) catalyst, and found that the
formed 3D hollow porous structure gave the CPCN catalyst a large specific surface area and
numerous exposed active sites, promoted the substrate adsorption reaction and maintained
its structural stability, and thus improved its photolytic water hydrogen production and
pollutant elimination activity.

In this study, melamine and urea were utilised as precursors for the preparation of
g-C3N4 (MCN and UCN, respectively) through thermal polymerisation. The photocatalytic
degradation ability and practical application potential of MCN and UCN were assessed
by comparing the change in RhB dye concentration under visible light and sunlight ir-
radiation. The crystal structure, morphology, chemical composition, functional groups,
optics, photoelectric chemical properties, and stability of g-C3N4 were investigated. To
understand how RhB molecules behaved in the reaction procedure, three-dimensional
excitation-emission matrix fluorescence spectra (3D EEMs) were used. In comparison to
MCN, UCN has better photocatalytic capabilities for degrading RhB dye when exposed to
visible light and sunlight. This study serves as a reference for research on the synthesis and
properties of g-C3N4.

2. Experimental

2.1. Materials

Urea (H2NCONH2), melamine (C3H6N6), isopropanol (C3H8O, IPA), benzoquinone
(C6H4O2, BQ), Rhodamine B (RhB, C28H31ClN2O3), and sodium oxalate (Na2C2O4, SO)
were purchased from Xilong Scientific Co., Ltd. (Shantou, China). All reagents are analytical
grade and can be used without further purification.

2.2. Synthesis of g-C3N4

g-C3N4 was synthesised using the thermal polymerisation process with melamine and
urea as the reactive precursors, and 15 g melamine and urea were placed, respectively, into
a 50 mL covered crucible in a muff furnace. The heating rate was set to 5◦/min; the target
temperature was 550 ◦C, maintained for 3 h; and the substance was ground for 5 min to
obtain g-C3N4 photocatalytic materials, named MCN and UCN.

2.3. Material Characterisation

The crystal structure information of MCN and UCN was recorded using powder X-ray
diffraction (XRD) on a PANalytical X’Pert3 Powder diffraction instrument. The specific
functional groups of MCN and UCN were measured using Fourier transform infrared
spectroscopy (FTIR) (IS10, Thermo Fisher Scientific, Madison, WI, USA), and the morphol-
ogy and structure were evaluated using scanning electron microscopy (SEM) (JSM-7900F
Plus, Nidec Corporation, Kyoto, Japan). The surface chemical composition and electronic
state of MCN and UCN were determined using X-ray photoelectron spectroscopy (XPS)
(Thermo Scientific K-Alpha Nexsa, Waltham, MA, USA), and the N2 adsorption–desorption
isotherms and Brunauer–Emmett–Teller (BET) surface area were evaluated using a specific
surface area analyser (ASAP 2460). The optical properties were obtained using diffuse re-
flectance spectra (DRS) via a 3600 UV-Vis spectrophotometer. The photoluminescence (PL)
spectra of MCN and UCN were studied using an FLS 980 fluorescence spectrophotometer
(Edinburgh Instruments, Livingston, UK) employing an excitation wavelength of 325 nm.
Electrochemical impedance (EIS) and photocurrent response tests were conducted on MCN
and UCN using an electrochemical workstation (CHI660E, Shanghai Chenhua Instrument
Co., Ltd., Shanghai, China). A standard three-electrode system is adopted (sample-coated
conductive glass is the working electrode, platinum electrode is the opposite electrode,
and Ag/AgCl is the reference electrode). The working electrode is prepared as follows:
10 mg of powder sample is weighed and dispersed in 1 mL of ethanol solution, followed
by the addition of 50 μL of Nafion solution. The mixture is then subjected to ultrasonic
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treatment for 30 min to achieve a homogeneous suspension. Subsequently, 150 μL of the
suspension is dropped onto an ITO glass substrate and dried at room temperature for
testing. The measurement process was conducted in a 0.1 M Na2SO4 aqueous solution.
Raman analysis was performed using a confocal Raman microscope (CRM) (Alpha300R,
WITec GmbH, Ulm, Germany) equipped with a TEM single-frequency laser (λ = 532 nm,
laser power = 40 mW, WITec GmbH, Germany). Elemental analysis of MCN and UCN was
performed using the PerkinElmer 24,000 Series II CHNS/O analyser. The EEM fluorescence
spectrum was acquired using a fluorescence spectrophotometer (Aqualog-UV-800).

2.4. Photocatalytic Performance Measurement

The photocatalytic performance was assessed by comparing the photocatalytic degra-
dation of RhB dye (dissolved in deionised water) using MCN and UCN. The procedure was
as follows: 50 mg of MCN (or UCN) was weighed and placed into a solution in a 250 mL
beaker (100 mL, 10 mg/L, 20 mg/L, and 30 mg/L RhB dye). To ensure a balance between
adsorption and desorption, each suspension was agitated in the darkness for 60 min and
then exposed to a 300 W Xenon lamp (λ ≥ 420 nm) or direct sunlight. Experiments using
sunlight illumination were carried out outside between 13:00 pm and 14:00 pm (2023/5;
weather: fine; 26–35 ◦C). During the photocatalytic procedure, 5 mL of suspension was
taken at predetermined time intervals, and the photocatalyst powder was separated using
a 0.45 μm filter membrane. The RhB dye concentration (λmax = 554 nm) in the suspension at
different irradiation time intervals was measured using a 6100A UV-Vis spectrophotometer
(Shanghai Yuanxi Instruments Co., Ltd., Shanghai, China), and the Lambert–Beer law was
used to calculate the RhB removal efficiency.

3. Results and Discussions

3.1. Crystal Structure and Functional Group Analysis

The crystal properties and composition of the synthesised photocatalysts were charac-
terised using the XRD technique. The diffraction pattern in Figure 1a displays two distinct
peaks at 2θ values of 13.18◦ and 27.86◦, which can be attributed to the (100) and (002) planes
of g-C3N4, respectively (JCPDS NO. 01-087-1526) [41]. The (100) crystal plane indicates
the periodic arrangement of the structural units in the layer, and the (002) crystal plane
corresponds to the interlayer stacking of aromatic segments. The positions of these two
diffraction peaks correlate with those previously reported for g-C3N4 [42]. Compared with
MCN, UCN’s peak intensity and width of the (002) crystal plane is weaker and broader,
indicating that urea as a precursor can inhibit the crystal growth of g-C3N4. The average
crystal diameters were calculated using Scherrer’s equation: D = Kλ/βcosθ, where D is the
average crystal diameter (nm); K is the Scherrer constant (0.89); λ is the wavelength of the
X-ray (1.5406◦A); β is the full width at half-maximum intensity and θ corresponds to the
angle of maximum peak [3,43], and the calculated average crystallite sizes of MCN and
UCN are equal to 3.67 and 1.77 nm, respectively.

 
 
 
 
 
 
 
 
 
 
 

 

 

Figure 1. (a) XRD patterns, (b) FTIR spectra, and (c) Raman spectra of MCN and UCN.
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The intrinsic chemical structure of the samples can be detected using FTIR spectra.
Figure 1b shows that the characteristic peak value at 810 cm−1 corresponds to the out-of-
plane bending vibration of the triazine ring [44], and the broader band of approximately
3000 to 3600 cm−1 corresponds to the N–H stretching vibration [45]. The characteristic
band at 1675–1200 cm−1 ascribes to the stretching vibration mode of C–N and C=N [46,47].
The tensile vibrations of the bonds in the prepared photocatalyst can be revealed via
Raman spectroscopy, as depicted in Figure 1c. The peaks observed at 478 cm–1, 710 cm−1,
753 cm−1, 978 cm−1, and 1235 cm−1 correspond to the tensile vibrations of C–C and C–N
heterocycles [48–50].

3.2. Microstructure and Compositions Analysis

SEM was performed on MCN and UCN to study the typical morphology and detailed
structure of the as-prepared samples. Figure 2a shows that MCN presents a hierarchical
structure with layers stacked tightly into blocks. UCN becomes thinner and presents a
more dispersed and uniform porous structure (Figure 2c). The degree of the UCN sample’s
interlayer stacking structure is low, and the interlayer structure is loose, which can increase
the surface area and reactive sites [51]. The results are consistent with those of BET. SEM-
EDS was used to analyse the distribution and content percentage of elements on the surface
of the photocatalyst. C and N are uniformly distributed on the surface of the photocatalyst
(Figure 2b,d). The results of the elemental analysis of MCN and UCN are shown in Table 1.
The C/N of MCN and UCN are 0.56 and 0.61, respectively.

 
Figure 2. SEM patterns of (a) MCN and (c) UCN; EDS mapping images of (b) MCN and (d) UCN.

Table 1. Elemental analysis of MCN and UCN.

Samples C (%) N (%) C/N

MCN 33.93 60.97 0.56
UCN 34.73 57.32 0.61
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XPS was used to analyse and compare the surface elemental composition of MCN and
UCN. The XPS survey spectrum shows that C and N existed in MCN and UCN (Figure 3a).
The C 1s spectra are fitted into two peaks at 288.1 and 284.8 eV (Figure 3b). The primary
C 1s peak at 288.1 eV is associated with the sp2-bonded carbon (N–C=N), and the peak
at 284.8 eV corresponds to C–C [31]. The N1s XPS spectrum in Figure 3c displays four
peaks at 398.5, 400.4, 401.3, and 404.2 eV [52]. These peaks correspond to C=N–C, ternary
N (N(–C)3), N-H bond [7,46], and π-excitations [31], respectively.

 

 

Figure 3. XPS spectra: (a) survey scan, (b) C 1s, and (c) N 1s of MCN and UCN.

3.3. BET Surface Area and Pore Size Distribution Analysis

The BET surface area and the distribution of pore sizes for the MCN and UCN
were measured using the N2 adsorption–desorption isotherms (Figure 4). The adsorption–
desorption isotherms of the MCN and UCN are classical type IV with a hysteresis loop
of type H3, indicating that the catalyst has a mesoporous structure [53]. The BET surface
area of UCN is 60.03 m2·g−1, more than eight times that of MCN. Table 2 shows that UCN
exhibits a larger specific surface area, greater pore volume, and smaller average pore size,
thereby providing an increased number of active sites that contribute to the adsorption of
pollutant molecules [54]. Therefore, the mesoporous structure and large BET surface area
of UCN are expected to enhance the adsorption capacity and photocatalytic degradation
efficiency of pollutants.
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Figure 4. (a) N2 adsorption–desorption isotherms and (b) pore size distribution curves of MCN
and UCN.

Table 2. The results of the N2 adsorption–desorption analysis for MCN and UCN.

Samples
BET Surface Area

(m2·g−1)
Pore Volume

(cm3·g−1)
Average Pore Size

(nm)

MCN 7.4408 0.002278 20.4142
UCN 60.0322 0.005151 17.6493

3.4. UV–Vis Spectroscopy and Photochemical Characteristics

To understand the light absorption capacity of MCN and UCN, UV–vis absorption
spectra were analysed, as shown in Figure 5. The sharp innate absorption edge for MCN
and UCN are at around 480 and 460 nm, respectively. The absorption edge’s shift is
primarily due to the porous structure’s strong quantum constraint causing the nanosheets
to become thinner and smaller in the UCN [55]. The Kubelka–Munk formula was used
for estimation to understand the MCN and UCN energy bands better. This is based on
αhυ = A (hυ − Eg)n/2, where a, h, n, A and Eg are the absorption coefficient, the Planck
constant, light frequency, a constant and band gap energy [56], respectively. The value of n
depends on the type of optical transition exhibited by the semiconductor. For g-C3N4 with
a direct band gap, the value of n is equal to 1 [21,57]. The Eg of MCN and UCN are 2.70
and 2.79 eV, respectively, similar to the study by Hong et al. [58].

Figure 5. (a) UV-vis diffuse reflectance spectra and (b) plots of (αhυ)2–hυ of MCN and UCN.

Recombining photogenerated carriers within the photocatalyst releases fluorescence
energy, and a high fluorescence signal indicates a high photogenerated carrier recombina-
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tion rate [9,54]. Therefore, PL analysis was used to evaluate the efficiency of photogenerated
electron–hole pair separation. Figure 6a shows that MCN and UCN have distinct signal
peaks near 480 nm. The UCN fluorescence intensity is significantly weaker than that of
MCN, indicating that UCN aids in the separation of photogenerated electron-hole pairs
and thus improves photocatalytic activity. Furthermore, the photocarrier interface sepa-
ration and migration of g-C3N4 were measured using the Nyquist plots of EIS. Generally,
a smaller radius of the arc on the EIS Nyquist plot indicates more efficient interface charge
transfer and lower photogenerated electron–hole pair recombination [59]. In Figure 6b,
the EIS Nyquist plot of UCN shows a smaller arc radius than that of MCN, indicating
that UCN has a lower interfacial charge transfer resistance and can separate photoinduced
carriers more efficiently. The photocurrent responses of MCN and UCN are shown in
Figure 6c. The higher the photocurrent density, the better the electron–hole pair separation
performance [60]. The photocurrent response of UCN is higher, which further indicates
that UCN has a stronger electron–hole pair separation ability.

 
 
 
 
 
 
 
 
 
 
 

Figure 6. (a) PL spectra, (b) EIS plots, and (c) photocurrent responses of MCN and UCN.

3.5. Photocatalytic Degradation Performance

The degradation of RhB dye was used to gauge both the adsorption and photocatalytic
abilities of MCN and UCN. Figure 7 demonstrates that UCN exhibits superior removal
efficiency in treating RhB dye at different concentrations under visible light or sunlight,
with equilibrium being achieved within 20 min. After 40 min of visible light exposure
(Figure 7a), the removal efficiency of UCN towards 30 mg/L RhB dye reaches up to 99.61%,
which is higher by 20.31% compared to MCN. MCN has the best effect on the treatment
of RhB dye with a concentration of 10 mg/L under visible light, and the removal rate is
98.58% after 40 min of illumination, but the removal efficiency is still lower than that of
UCN (99.36%). Additionally, the applicability of the prepared photocatalyst under natural
sunlight was also investigated. As shown in Figure 7c, the photocatalyst UCN outperforms
the laboratory-simulated visible light catalytic system by completely degrading 10 mg/L
of RhB dye in 20 min. This is mostly because that natural sunlight emits not only visible
light but also ultraviolet radiation, which can potentially enhance the generation of charge
carriers by the catalyst and facilitate the degradation of RhB dye [61]. In order to visualise
the photocatalytic degradation of RhB dyes via UCN and MCN, a degradation diagram
excluding the adsorption effect was made. As shown in Figure 7b,d, under simulated
visible light and real sunlight irradiation, the effect of UCN is still better after deducting
the adsorption effect, which indicates the adsorption–photocatalytic synergy. In conclusion,
the utilisation of urea yields superior results in the preparation of g-C3N4.

Figure 8 shows the UV-Vis absorption spectra for the photodegradation of RhB dye in
the UCN photocatalyst. The maximum absorption peak of RhB dye at 554 nm (λmax) grad-
ually decreased with the photodegradation process. After 5 min of visible light irradiation,
the UCN photocatalyst decomposed approximately 96.15% of the RhB dye. The primary
absorption peak’s position was significantly reduced, indicating that UCN has excellent
photocatalytic performance.
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Figure 7. (a) Adsorption and photocatalytic degradation, (b) photocatalytic degradation of RhB dye
under visible light; (c) adsorption and photocatalytic degradation, (d) photocatalytic degradation of
RhB dye under sunlight.

Figure 8. UV-Vis spectral changes of RhB dye in UCN.

In addition, 3D EEMs technology was employed to elucidate the alterations of RhB
dye after photocatalysis. Before visible light illumination, the characteristic fluorescence
signal appeared at Ex/Em = 460–590/540–700 nm and 200–425/550–670 nm. After being
stirred in darkness for 30 min (Figure 9a), the position and shape of the fluorescence peak
remained relatively stable, but its intensity slightly decreased, indicating that the RhB
molecule was only adsorbed on the catalyst without decomposition. After 40 min, the
fluorescence intensity began to decrease. This indicates that the RhB has broken down into
pieces and molecular fragments [62]. This is consistent with the results shown in Figure 8.
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Figure 9. The 3D EEMs results of the RhB solution: (a) the original solution, (b) after dark adsorption
for 60 min, and (c) after illumination for 40 min of UCN.

The stability and recycling properties of the UCN were verified by carrying out
four cycle tests for the photocatalytic degradation of RhB dye. After each photocatalytic
degradation, the powder material was extracted and recycled, cleaned three times with
deionised water, and dried for the next cycle experiment. Compared with the first time
(99.61%), the removal rate shows a slight change (Figure 10a). In four cycles, the treatment
rates were 99.58%, 99.49%, 99.36%, and 99.35%. The results indicate that UCN exhibits
exceptional stability and reusability. The photostability of UCN was further confirmed by
measuring the XRD patterns of UCN after four recycling tests on RhB (Figure 10b). The
XRD results show that there was no change in the crystal structure of UCN and that all the
characteristic peaks are present.

Figure 10. (a) Cycling experiments of the photocatalytic RhB dye degradation under visible light and
(b) XRD patterns before and after photocatalytic RhB dye degradation for UCN.

Furthermore, the photocatalytic property of g-C3N4 was compared with other materi-
als explored by other researchers in removing RhB dye, and the results are demonstrated
in Table 3. Although the g-C3N4 studied in this work is relatively basic, its degradation
rate of RhB dye exceeds that of other composite photocatalysts. The results demonstrate
that g-C3N4 exhibits superior photocatalytic performance compared with most materials
over a specific time, thereby establishing a robust foundation for further research.
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Table 3. Comparison of RhB dye treatment efficiency of different photocatalysts.

Photocatalyst
(Dosages)

RhB
(mg/L)

Time
(min)

Rate
(%)

Light Source Refs.

g-C3N4 (50 mg)
10
20
30

20
99.36
99.39
99.35

300 W Xe lamp This paper

g-C3N4 (50 mg)
10
20
30

20
100

98.78
99.15

Direct sunlight This paper

ZnO-g-C3N4 (40%)-Go (15%) (15 mg) 10 100 98 350 W Xe lamp [63]
g-C3N4/Bi4O5Br2-75 (50 mg) 10 10 92 72 W LED lamp [64]

TlSnI3/g-C3N4 (100 mg) 5 120 84.60 150 W Osram bulb [65]
TiO2/g-C3N4 (50 mg) 10 150 99.30 350 W Xe lamp [66]

Co@ZnSQDs/g-C3N4/MWCNT (220 mg) 10 75 96 500 W halogen lamp [67]
g-C3N4/ZnO/Cu2O (50 mg) 30 100 91.4 500 W halogen lamp [68]

3.6. Photocatalytic Mechanism

Trapping tests were conducted to study the various species implicated in photodegra-
dation and the primarily responsible species. The primary active species of UCN photocat-
alytic degradation were detected by adding IPA, BQ, and SO to RhB dye as scavengers of
•OH, •O2

−, and h+ [43]. Figure 11 shows that the degree of removal of RhB dye (41.56%)
declined significantly with the addition of BQ, while the scavenging effect of IPA (99.58%)
and SO (98.53%) was weaker than that of BQ. Therefore, in the reaction process of UCN
degradation of RhB dye, •O2

− serves as the primary reactive species.

Figure 11. Trapping experiment of active species for UCN photocatalytic degradation of RhB under
visible light.

The valence band (VB) potentials of a semiconductor can be determined using the
empirical equation EVB = X − Ee + 0.5Eg, where X, Ee, and Eg represent the semiconductor’s
electronegativity (the X value for g-C3N4 is 4.72 eV [69]), the energy of free electrons on the
hydrogen scale (4.5 eV), and the semiconductor’s bandgap, respectively [70]. Moreover,
the CB potentials can be calculated using ECB = EVB + Eg [71]. In the DRS analysis results
(Figure 5b), the Eg of UCN and MCN are 2.79 and 2.70 eV, respectively. Therefore, the CB
and VB potentials of UCN are calculated to be −1.17 eV (ECB) and 1.62 eV (EVB), while the
CB and VB potentials of MCN are −1.13 eV (ECB) and 1.57 eV (EVB), respectively. According
to these results, Figure 12 illustrates the plausible photocatalytic mechanism involved in
the process of RhB photocatalytic degradation. UCN and MCN tend to produce e− and
h+ under visible light radiation. Since the CB potential of UCN and MCN is lower than
Eθ(O2/•O2

−) = −0.33 eV, the e− in the CB of UCN and MCN can capture the adsorbed O2
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on the catalyst surface and reduce it to give •O2
−. Since the EVB of UCN and MCN are

more negative than Eθ(•OH/H2O) = 2.27 eV [71], •OH cannot be generated on the VB of
UCN and MCN. The results correlate with the trapping experiments.

Figure 12. Photocatalytic mechanism diagram of MCN and UCN under visible light radiation.

4. Conclusions

MCN and UCN were prepared via thermal polymerisation using melamine and urea
as precursors. Compared to MCN, UCN exhibits superior photocatalytic degradation per-
formance towards RhB dye. Under the irradiation of visible light, the removal rate of RhB
dye at 10 mg/L within 20 min reaches 99.36%, while complete degradation can be achieved
under sunlight. The photocatalytic efficiency of UCN is enhanced by the layered structures
and a large specific surface area, which enrich the reaction sites, improve the transfer of
photoinduced charges, and strengthen the absorbance of visible light. The prepared UCN
exhibits exceptional stability, even after undergoing four cycles of photocatalytic reaction.
Moreover, the trapping experiments established that •O2

− was the primary reactive species
in the photocatalytic degradation of RhB dye under visible light radiation. Therefore, the
as-synthesised UCN are promising photocatalysts for environmental applications such as
the treatment of industrial wastewater under natural sunlight. This study highlights the
potential of UCN as a photocatalyst for RhB dye removal in wastewater treatment and lays
a foundation for further exploration of g-C3N4.
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Abstract: Due to climate change and its associated factors, there has been an increased influx of
pelagic brown algae biomass drifting freely in the Caribbean Sea in recent years. Its use as an
industrial recyclable material is feasible, although pelagic Sargassum species have Arsenic (As) heavy
metal content; among 531 tested pesticide residues applied to vegetables, fruit, infant food, herbs,
and spices, zero were found in Sargassum. Sargassum also contains sulfated polysaccharides and
oligosaccharides, which are known to be beneficial immunomodulators. Our results thus suggest
Sargassum to be a functionally useful organic material in small quantities as an additive in animal
feed. With improved chemical extraction methods, it could also be highly effective in adjusted
proportions in cosmetics and for other industrial uses. A viable solution for predicting and tracking
the large-scale movements of algal masses is provided. Furthermore, a method for addressing
increasing Sargassum influx is proposed via its use as an industrial recyclable material following
composition analysis, evaluation and safety assessments for cosmetic use, and research and design of
new beauty products and other functional cosmetics.

Keywords: Sargassum; Sargasso Sea; algal bloom; arsenic; satellite; numerical simulation

1. Introduction

Climate change and its associated factors has resulted in the abundant growth and
dispersal of brown algae drifting in great masses across the Atlantic Ocean. These occur-
rences have been progressively increasing since 2011 [1]. The influx of Sargassum sp. in
the Caribbean Sea is influenced by climate-induced fluctuations in sea surface currents
and increasing sea surface temperatures, which are associated with anthropogenic factors,
such as deforestation in the Amazon, as well as leaching and runoff from agricultural
sources [2]. The ocean thus acts as a reservoir for human-induced carbon, which in turn
impacts ecosystems and resources that have important societal functions [3–5]. Climate
variations can have direct and indirect influences on water environments through different
pathways, such as by affecting pollutant quantities in flowing water or changing their
toxicity in different circumstances [6–8].

Heightened amounts of algae can cause numerous environmental and ecological prob-
lems, and interdisciplinary collaboration may help provide solutions to effectively manage
this issue and avoid more detrimental effects on coastal environments in the Caribbean.
Primarily made up of water, organic components, and trace toxic material, the composition
of Sargassum sp. can vary depending on lifespan, environmental factors, and geographic
distribution [1,9–11]. Of the three groups of macroalgae that are distinguished by their pig-
ments (i.e., Phaeophyta, brown; Rhodophyta, red; and Chlorophyta, green), brown algae, in
particular, has been widely researched as a plausible heavy metal bioindicator species [12].
Phaeophyta is also known to accumulate the most arsenic compared to Rhodophyta and
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Chlorophyta [6]. In addition, only when toxic component concentrations are excessively
increased are Sargassum considered hazardous [13]. Some known disadvantages created by
the influx and mass accumulation of Sargassum along coastal areas, aside from its offensive
odor, is that it is conducive to the proliferation of sandflies, which in turn negatively im-
pact recreational beach activities and the navigation of fishing vessels. Harmful pesticide
residues are known to be quite toxic for some algal species and other aquatic fauna and
flora, so frequent monitoring of these environments is fundamental for controlling pesticide
concentrations within all biota [14].

Algae are low-energy foods containing a wide variety of compounds with multi-
functional potential for use in nutrition and technology. Sargassum species are known
to contain sulfated polysaccharides and oligosaccharides, which are highly recognized
immunomodulators that have positive effects on human and animal health and well-
being [15–17]. With widespread availability, Sargassum can also offer abundant biomass for
use in biogas plants [18,19]. The bioactive compounds of the genus Sargassum, including
fucoxanthin, fucoidan, and alginates, are all highly valued commercially and are rich in es-
sential minerals; with potassium and low nitrogen-phosphorous content, it can furthermore
be used as a complimentary ingredient in fertilizer [13,20–22].

We aim to provide an effective solution for predicting and tracking the large-scale
movements of algal biomass, and to also propose a method of addressing Sargassum
influx through its use as an industrial recyclable material following composition analysis,
evaluation and safety assessments for cosmetic use, and research and design of new beauty
products and functional cosmetics.

2. Materials and Methods

The authors collected Sargassum samples in late October 2022 from the eastern coasts
of four countries in the Caribbean Sea: Saint Lucia, Saint Vincent and the Grenadines,
Saint Kitts and Nevis, and Belize. The samples were air-dried and ground into a powder,
then sent to the Algal Cultivation and Biotech Laboratory at The National Taiwan Ocean
University. The Traceability Certification and Inspection Center at The National Taiwan
Ocean University analyzed the samples for four heavy metals: lead (Pb), cadmium (Cd),
mercury (Hg), and arsenic (As). Additionally, the samples were analyzed for 531 pesticides
by Eurofins Scientific Taiwan, a division of the Eurofins Scientific Group, in their food
testing laboratory. All measured data in this study is outlined and shown in Table 1b. By de-
tecting the heavy metal content present, we sought to determine the functional usability of
pelagic Sargassum, establish limits of detection (LOD) for values presently not determined
by renowned regulations such as the European Union (EU) and the United States (US), and
to confirm suitability for use according to the standard limitations presently regulated. De-
termining Sargassum sp. suitability for industrial applications and investigating processing
techniques helps allow for the recycling and use of this existing highly abundant resource.

Table 1. (a) Algal sample analysis (LOD) of heavy metal content. (b) Standard LOD heavy metal
content (mg kg−1, dry weight).

(a)

Items Heavy Metal (mg kg−1, Dry Weight)
Country Species Pb (Lead) Cd (Cadmium) Hg (Mercury) Total Arsenic Inorganic Arsenic

St. Lucia Sargassum sp. 0.03 0.38 N.D. 109.18 6.26
St. Vincent Sargassum sp. 0.08 0.35 N.D. 111.29 8.79

St. Kitts Sargassum sp. N.D. 0.29 N.D. 106.11 6.15
Belize Sargassum sp. 0.05 0.39 N.D. 84.09 5.13

St. Kitts Eucheuma sp. 0.07 0.18 N.D. 3.67 N.D.
Method detection limit 0.01 0.01 0.001 0.02 0.05
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Table 1. Cont.

(b)

Categories Heavy Metal (mg kg−1, Dry Weight)
Pb (Lead) Cd (Cadmium) Hg (Mercury) Total Arsenic Inorganic Arsenic

EU food rule 3 3 0.1 N.D. N.D.
USA food rule 0.01 3 1 - 3

Taiwan food rule 1 1 0.5 - 1.0
Taiwan cosmetic Products rule 10 5 1 3 -

Taiwan animal Feed rule 5
1 (cows, goats,

excluding young
animals); 0.5 others

0.1 2 -

Taiwan aquafeed rule 5 3 (marine fish and
shrimps); 1 other 0 10 -

Taiwan soil rule 500 5 5 60 -

Notes: N.D.: Not Determined. Source: EU and USA Standards for heavy metal data: report of the expert
meeting on food safety for seaweed: current status and future perspectives, Rome, 28–29 October 2021, MDL:
the traceability certification and inspection center at the National Taiwan Ocean University Taiwan, October
2022 [23,24].

3. Results

3.1. Heavy Metal Accumulation in Sargassum and Its Ecological Implications

Hazardous heavy metal pollutants are widespread throughout the marine environ-
ment, with macroalgae known to be efficient bio-indicator species for heavy metal accumu-
lation [12,25]. Ecologically, certain metals are essential for macroalgal growth, including
iron, manganese, zinc, and copper. However, other naturally occurring metals like mercury
and lead are non-essential elements, and are not required for growth or other physiological
functions; when found in excess, these may become highly toxic [26]. Although certain
heavy metals such as cadmium, lead, mercury, and arsenic do occur naturally in the en-
vironment, their concentrations vary in different locations of the ocean; macroalgae are
known to uptake these elements through the process of biosorption, which reduces their
toxic effects and lowers the numbers of free ions present [18,25,26]. These heavy metals
are also known food safety hazards, and present safety concerns for seafood products.
Concentrations of these metals in seaweeds have been used to test metal pollution along
ocean coastlines [23].

Various human-induced activities play a major role in the availability of heavy metals
in the open ocean. According to Clark (2001), HAsO4

−2 concentrations in the Atlantic
Ocean range from 1.27 to 2.10 μg L−1 in aerated water at a salinity level of 35% [26,27].
With a confirmed absorption concentration almost 180 times more than seawater, it is
assumed that macroalgae absorb arsenic as a phosphorus substitute for growth and other
physiological requirements [18,25–29]. As a biosorbent species, Sargassum can eliminate
heavy metals like lead, mercury, zinc, and copper ions in the ocean through physisorption,
microprecipitation exchange, and chemisorption [13,27]. Internally, concentrations of heavy
metals have a significant impact on most algal species’ ability to fluoresce depending on
metal speciation [26,30].

Sargassum samples obtained from four locations in the Caribbean were tested for heavy
metal content. Our analysis indicates that arsenic absorption is dependent on seawater
pollution sources, which influence the bioavailability and speciation of other heavy metals
(Table 1). For instance, bivalves are also found to accumulate chemical contaminants,
including As, and can serve as an indicator species of climate variability [6,31]. A significant
rise in temperature influences enzyme activity, and may promote cell wall enlargement
through accelerated metabolic processes during adsorption [6,32].

Bioaccumulation of harmful pesticides has been widely researched, and climate
change-influenced scenarios are proving to be of greater and greater relevance [2]. Our
results show that no pesticide residue was detected in Sargassum among the 531 tested
pesticides that are known to be applied to vegetables, fruit, infant food, spices, and herbs.
Although pelagic algae may be susceptible to anthropogenic activities such as agricultural
runoff, deforestation, and other associated events, the bioaccumulation of pesticide residue
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was negligible [6,33]. This suggests that various uses of Sargassum could be highly feasible
with efficient chemical extraction of the heavy metal content, including as an animal feed
additive or for use within the cosmetic industry [2].

The European Union (EU) legislation Commission Regulation (EC) No. 1881/2006
outlines the acceptable standards for inorganic and total arsenic, cadmium, lead, and
mercury for seaweed (macroalgae) use in food products for animals, but no legislation has
been developed for human consumption [23,24]. Similarly, the Food and Drug Association
(FDA) of the United States (US) establishes the following acceptable limits: “Heavy metals
as lead (Pb) not more than 10 parts per million, Arsenic (As) not more than 3 parts per
million, Mercury (Hg) not more than 1 part per million.” However, the list does not include
cadmium, the limit for which has yet to be determined [20,23,34]. Similarly, standard limits
for products other than food and supplements remain to be determined and documented.
Accordingly, EU legislation Commission Regulation (EC) No. 396/2005 also states an
applicable default maximum residue limit (MRL) for pesticide residue of 0.01 mg/kg for
most seaweeds [23,24]. Our LOD testing and analysis show that other than arsenic, the
heavy metal and pesticide content in Sargassum fall within these established requirements.
Our findings, therefore, support the functional utilization of pelagic Sargassum. With
effective extraction methods and processing techniques, it is highly suitable for a wide
variety of applications.

Although human-induced, climate change-related activities can influence algal growth,
abundance, and distribution, residual chemicals from pesticides have not been found to
accumulate in the cell structure of Sargassum [26]. Moreover, bioactive compounds of
the Sargassum genus, including fucoxanthin, fucoidan, and alginates, are considered to
be of high value commercially [20,22]. Advanced extraction processes can effectively
remove heavy metal substances from the algal biomass, thereby enhancing the commercial
value of Sargassum as an organic material for industrial applications [21,22]. Sargassum
inundation is known to inflict damage on nearshore ecosystems and beaches, and, when
left to decompose, produces a highly unpleasant odor that poses safety risks to human
health through the release of toxic gases, such as sulfuric acid and ammonia [29,35].

The heavy metal content of Sargassum sp. was analyzed (Table 1a) at four specific
locations: St. Lucia, St. Vincent, St. Kitts and Nevis, and Belize, in comparison to Eucheuma
sp. Analysis showed higher levels of arsenic content than the recognized standards. Algal
cells can bind to heavy metals and are subject to increased pH levels in the environment [6,36].
Effective measures to extract the arsenic content are thus needed to adhere to EU and USA
stipulated heavy metal content standard requirements (Table 1b) for full usage of the algae
in industrial applications such as consumable food, cosmetic products, or animal and
aquaculture feed. Pretreatment methods should be determined by algal species type and
the intended product use.

3.2. Sargassum Distribution and Predictive Measures via Ocean Climate Circulation

Sargassum sp. biomass’ presence and timing are dependent on sea surface currents
and wind direction. These large, widely distributed biomasses are further subject to Stokes
drift, a confined variation of Langmuir circulation, that may influence the responses of
Sargassum to temperature and nutrient availability [37,38]. Essentially all living components
within an ecosystem are influenced by climatic conditions and the combined action of sea
surface currents, wind, and wave action; all of these also determine the spatial coverage
of pelagic Sargassum sp. [18,38]. Due to wider distribution and more frequent occurrences
of algal biomass, a part of the Atlantic Ocean between North America and the west of
Africa has been named the Sargasso Sea. The Sargassum that occur in the Sargasso Sea are
holopelagic and can effectively reproduce on the high seas [39]. Periodically, these brown
algal mats drift along the coastlines of most Caribbean Island nations—it has become a
frequent phenomenon each winter due to stronger trade winds, which drive great amounts
of drift toward coastlines [40,41]. These floating mats provide an ecologically important
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niche that many different marine species depend on, although they can also transport
non-native species.

Ideally, offshore collection of Sargassum is preferable, because once it has arrived at the
beach, even if it is collected within one day, damage has already been inflicted [2,13]. Studies
have shown a great variation in the species of Sargassum within locations, so predictions can
be made by measuring the drift of the Sargassum biomass with respect to ocean flux through
satellite observation [39,40,42]. Predictive measurements and forecasting can be derived from
current ocean circulation modeling systems, including SMA Tools (Sargassum Monitoring
Tool), which can provide a five-day predictive forecast of drifting Sargassum [39,40]. In
general, there are discrepancies even in the best solutions for predicting influx or tracking
movement by satellite.

The dominant pelagic species of Sargassum, S. natans and S. fluitans, comprise much of
the drifting seaweed biomass and have a widespread distribution within the North Atlantic
Ocean, starting from the Gulf of Mexico to the Sargasso Sea [43,44]. These prolific algal
blooms are highly detrimental to local economies and surrounding environments [2]. Solu-
tions for the management of Sargassum require spatial and temporal predictive management
measures; remote sensing techniques provide a cost-effective solution by delivering im-
portant information on the locality of algal accumulation for collection and removal [2,40].
Similar techniques can also be useful on a wider scale for information on the spatial distri-
bution of frequent Sargassum landings [31,40]. The affected communities are required to
anticipate surges in beach landings and implement strategies for their collection to effec-
tively manage the Sargassum influx [44]. The uncertainty and limited availability of precise
forecasting models pose challenges to the adequate management of Sargassum incursions
each year.

In a related scenario, floating populations of S. horneri, a large marine brown alga of
the Korean strait, have drifted in larger quantities towards the north of Taiwan via the
cold current flowing south along the coast of China [45]. Drifting S. horneri biomass is
speculated to be caused by stronger Kuroshio currents that create an Ekman drift, thus
transporting massive amounts of algae toward Taiwan [46,47]. Similarly, the canary current
flows from the North to the West in the Atlantic Ocean, where it meets the south equatorial
current. In doing so, it pushes the algal mass towards the east coast of Mexico and the
Caribbean Sea. Larger aggregations of Sargassum have been found frequently in the central
part of the coast during times of increased influx from March to October [13,48].

Anthropogenic activities, such as the uncharacteristic nutrient enrichment related to
deforestation in the Amazon and changes in African dust deposition patterns in the Sahara
Desert, are inferred to encourage an increase in the nutrient flow from terrestrial sources
specific to the Caribbean Sea [1,47]. These contribute to the overgrowth of Sargassum
blooms, and their prolific nature suggests that changes in ocean temperature alongside
stronger monsoon periods can influence the growth, distribution, and sightings of floating
algae, similar to S. horneri biomass movements in northern Taiwan [45]. It is, therefore,
essential to be able to predict spatial distribution patterns induced by temporal variations
due to climate change. Studies have also determined that surface currents, altered by wind
patterns, cause a redistribution of pelagic Sargassum, with the major currents found in the
Atlantic Ocean influencing distribution in the Great Atlantic Sargassum Belt [13]. Predictive
six-month forecasts are highly viable through the use of various drift observations and data
obtained from ocean models, which are dependent on satellite imagery detecting Sargassum
across a wider area of the Atlantic Ocean and the Caribbean Sea [40].

In situ applications use remote sensing to develop predictions based on maps obtained
by high spatial resolution satellite imagery [40,49]. Satellite images with manual recognition
(Figure 1) are comparable to assessments of forest biomass, which has proven effective
for forest management and monitoring in the context of carbon budgeting and reduced
emissions [50]. Similarly, using map-making or ground truth masks validates maps of land
and sea and provides a method for classification and prediction. Segmentation masks,
which are generated automatically in real-time, can also enhance the input layers with extra
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information to predict future frames, thereby presenting opportunities to create knowledge
under uncertain conditions [51,52].

Figure 1. AI satellite images of floating algae on the eastern coast of St. Lucia, captured by Optical
satellite Sentinel-2 on 22 August 2022.

4. Discussion

Cost-Effective Management and Opportunities for Functional Utilization of Sargassum

Marine macroalgae occur in highly complex and diverse ecosystems, which can offer
ideal conditions for new active molecules to be developed and allows for a variety of
applications [26]. Macroalgae are eukaryotic organisms comprised of chlorophyll and car-
bohydrates; 80% of seaweed harvested is consumed by humans, and these algae contribute
quality proteins with high amounts of vitamins and minerals, dietary fiber, and essential
unsaturated fatty acids, which altogether provide nutrition that is beneficial to human
health. [18,53–55]. The Sargassum genus has several important components in the thallus,
and with advances in extraction processes to effectively remove heavy metal substances
from the algal biomass, the commercial value of Sargassum can be further enhanced. The
specific content and characteristics of the constituents in Sargassum may vary depending
on species and growth conditions.

Important constituents of the genus Sargassum:

1. Fucoxanthin is a natural pigment belonging to the class of carotenoids called fu-
coxanthins. It imparts a deep brown color to the genus Sargassum and possesses
antioxidant and anti-inflammatory properties. Fucoxanthin has been studied as a
potential anticancer and antiobesity compound;

2. Fucoidan is one of the most significant bioactive compounds found in Sargassum. It is a
sulfated polysaccharide with various biological activities, including anti-inflammatory,
anticoagulant, antioxidant, antitumor, and immune-modulating properties. Fucoidan
has been extensively researched and is considered to have potential applications in
pharmaceuticals and functional foods;

3. Alginates are polysaccharides composed primarily of α-L-guluronic acid and β-D-
mannuronic acid. They are widely present in the cell walls of Sargassum. Alginates
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have gel-forming abilities, and find extensive applications in food, pharmaceutical,
and cosmetic industries as thickeners, stabilizers, and emulsifiers [20–22].

Sourcing Sargassum from the ocean surface through sustainable collection methods
facilitated by floating nets lessens the negative ecological impacts of beach landings [31].
Initially, processing includes washing with fresh water, drying, grinding, and vacuum
sealing and packaging for storage or transport. The development and production of
biodegradable materials and functional textile materials and feed for both aquaculture
and agricultural uses remain important, and recently seaweed has been found to be a
highly useful raw material. In addition to playing an important role in diets, it can also be
functionally useful for creating value-added goods, in energy production methods, and
in several fields, such as cosmetics, agriculture, and construction [18,56–58]. Developing
new materials from seaweed, such as textiles, can also help create environmentally friendly
alternatives to reduce the negative impacts of non-degradable materials, such as single-use
plastics that pollute bodies of water. Using Sargassum could therefore help reduce fossil
fuel usage, the production of plastic waste, logging, and pulp production, which can, in
turn, reduce the accidental ingestion of non-degradable materials by marine organisms.
Sargassum biomass landings onshore present larger problems, with higher costs associated
with recurrent blooms [19,47]. U-shaped barriers can provide a suitable recovery method
with the least detriment to beaches, and allow for an efficient offshore capture method [31].
Sargassum collection is dependent on the oceanographic and geomorphological attributes
of the location, and the accumulated Sargassum in these barriers are likely to decompose or
sink within 24–48 h [13,31].

As discussed, alternative uses for this abundant biomass can provide countless ben-
efits both for communities and the environment [44,58]. With a high nutritional content,
Sargassum can be used as fertilizer for soil and plants as well as food for consumption,
while extracting their phytochemicals has the potential for medicinal use [16,55]. The main
regulation categories listed in Table 1b outline utilization rules for human consumption,
and there has been an increased interest in marine algae recently as a bioactive source useful
for many applications in processing and developing healthier functional food groups [59].
Algae can enrich the nutritional properties of food; cereal-based food products, such as
pasta, are low in protein and essential amino acids, so incorporating algae could greatly
enhance its nutritional properties [18]. Studies have shown that eating algae-based pasta
resulted in improved amino acid and fatty acid profiles, with better total phenolic content,
antioxidant activity, and a higher fucoxanthin and fucosterol content [18,59]. Similar bene-
fits of algae-enriched bread and noodle products can also be expected [18]. Furthermore,
there is a higher feasibility of Sargassum sp. producing compounds that can enhance food
flavors, such as carbonyls, alcohols esters, aldehydes, and esters, because these compounds
occur naturally with less toxic waste under minimal production conditions [60].

Composition analysis has confirmed seaweed to be suitable for energy production,
such as a biofuel, due to its high sugar content; even so, pretreatment is recommended
for exploring Sargassum use for anaerobic biogas production [16,18,36,57,58]. Although
bioenergy production from Sargassum has great potential and utilizes an abundant resource,
economic viability also depends on the production of higher-value products, similar to
bioethanol production [59,61]. Other commercially viable solutions aside from algae-
based functional foods, nutraceuticals, and cosmeceuticals can include environmentally
friendly solutions such as biodegradable materials, plant fiber panels for buildings, textiles,
and toiletries, although these possibilities depend on creating sustainable and innovative
technologies and products with specific product markets [61,62]. With an eco-friendly
decomposition rate of over 150 years, macroalgae can be used as a building material: it has
the potential to provide quality insulation, and offers good acoustics, humidity control, and
visual comfort while being non-toxic and fireproof with less associated CO2 emissions [62].

Pretreatments are generally required to release the usable organic matter through the
breakdown of the cell walls, and S. natans and S. fluitans have been found to produce small
quantities of lignin compounds in response to stressors related to climate change, such as
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heat and light [1,13,61]. Sargassum, with its low to zero lignin content and good nutrient
properties, can be beneficial as feed for anaerobic digestion; for instance, the polyphenols
found in brown algae are found to have an influence on methanogen activity in ruminant
animals, mitigating the effects of methane (CH4) production and thus reducing problematic
greenhouse gas emissions in livestock supply chains [13,63,64]. Interestingly, a previous
study determined that the usage of brown algae as livestock feed can supply greater energy
content compared to other seaweed varieties due to its low ash content [63]. Extracts from
Sargassum have also been used in crop production as seed treatments, in foliar applications,
and for the purpose of soil drenching [13,65]. Similarly, there are viable possibilities for
Sargassum filtration systems due to their high biosorption potential to effectively remove
organic dyes and heavy metal ions [13]. The alginates and fucoidans derived from algae can
benefit the pharmaceutical, cosmetic, and food industries [35]. Moreover, other practical uses
include sodium alginate production for eco-friendly bioplastics; use as an emulsifier and
stabilizer; and use for its antioxidant, anti-inflammatory, and anticoagulant properties, all of
which can help treat or protect against viruses, cancer, and many other diseases [17,31,59].

The implications of large-scale utilization of Sargassum have not been fully determined;
however, ecologically, the prolific nature of increasing pelagic Sargassum influx to coastal
shores requires solutions and alternative approaches to alleviate the negative impacts on
coastal environments, essential ecosystems, and people’s livelihoods and tourism, which
are important concerns for the Caribbean Island nations [2,31]. Furthermore, large-scale
cultivation is promising for increasing the supply of usable material in the event that it is
not available or accessible in nature; this cultivation can be achieved with long lines near
coastal areas of the open ocean, and would have the twofold benefit of not only keeping
up with an abundant supply of resources for food and non-food applications, but also
mitigating issues such as eutrophication and nutrient enrichment from anthropogenic
activities, which are highly problematic in coastal ecosystems [66–68].

5. Conclusions

There have been numerous studies undertaken on the functional uses of Sargassum, and
management methods using satellite data and numerical simulations can provide solutions
for forecasting and tracking large amounts of algae, allowing for effective collection and
recovery of large quantities of algal biomass, which is a valuable organic resource and
offers great potential for industrial applications. Developing more advanced processing
techniques can open further avenues for industries in various uses of Sargassum.
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Abstract: Phenolic compounds in oil wastewater are highly toxic and refractory. Hydrolysis at
pH 12 for 12 h makes these compounds more vulnerable to attack and destruction. Under the
binding and precipitation of polyaluminum chloride (PAC) at pH 8, the chemical oxygen demand
(COD) was significantly reduced by 38%. The simulation found that hydrolysis + flocculation was
a complex multistep process. The COD removal rate was mainly controlled by the prehydrolysis
process. The metabolic pathway suggested that the m-cresol produced in the factory was oxidized to
low water-soluble aldehyde. Alkaline hydrolysis converted the aldehyde into m-toluene-methanol,
which was conducive to being captured by the PAC. Fourier transform infrared spectroscopy (FTIR)
showed that the alkaline dehydrogenation of two m-methylphenyl carbinols produced a molecule
that was removed by the resin. Generally, the particle size of the residue after alkaline hydrolysis was
6.4–8.3 nm, which was included in the pore size range of the resin. Therefore, the resin adsorption
capacity for the hydrolyzed substances increased to 47,000 mg L−1, with 93% renewability. In short,
hybrid technology reduces the concentration burden of the resin inflow and controls the molecular
size of adsorbed substances for repurification. It strengthens the treatment effect of high COD
wastewater and provides innovative ideas for extending the service life of resin.

Keywords: prehydrolysis; phenolic compounds; resin sorption; particle size; renewable

1. Introduction

Phenolic compounds are prototype toxic substances. Butylated hydroxytoluene (BHT)
and its derivatives are common highly toxic and refractory organic compounds in petro-
chemical wastewater. Phenolic substances in wastewater mainly include phenol, cresol,
and 6-tert-Butyl-m-cresol, which originate from petroleum, petrochemical, coal chemical,
phenol, and phenolic resin production [1]. For each ton of phenolic resin production, 750 L
of wastewater containing 600–42,000 mgL−1 of phenol needs to be discharged [2]. Phenolic
compounds are toxic to biological individuals and can enter the human body through
respiration and skin contact, causing teratogenesis and carcinogenesis. Various countries
have successively listed phenolic compounds as the priority pollutants in water control [3].

The commonly used methods for treating phenol-containing wastewater include
biochemical methods [1,4], advanced oxidation, electrochemical methods [5], and adsorp-
tion [1]. However, phenolic compounds exceeding a concentration of 1000 mgL−1 will
inhibit the biotreatment capacity of the bioreactor [6]. The intermediates of BHT degra-
dation, such as BHT-Q and BHT-tert-butanol, are more toxic than BHT; therefore, their
concentration will increase compared with the influent [7]. Fenton, photoelectric Fenton,
electro-Fenton, and other oxidation methods have obvious treatment effects; however, they
are difficult to control due to their high energy consumption and harsh reaction condi-
tions [8]. Resin adsorption has the advantages of treating high concentrations with no
secondary pollution and regenerating valuable substances. However, desorption treatment
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is required after adsorption saturation; therefore, it is necessary to reduce the feed concen-
tration of the resin, and the molecular size of the adsorbed resin is required to facilitate
its desorption. In the case of alkaline prehydrolysis, it loosens the phenolic structures,
breaking the C-O bonds [9], and promotes the generation of hydroxyl radicals in the ad-
vanced oxidation process [10], which effectively removes the phenolics [11]. In practice, it
is difficult for a single technology to economically and effectively treat wastewater to meet
the standard; therefore, it is imperative to develop a combined process.

To prolong the service life of the resin, it is necessary to identify methods to strengthen
its adsorption and desorption; therefore, alkaline hydrolysis was used to pretreat the
pollutants. Referring to the effect of the advanced oxidation of phenolic compounds, the
present study focused on the process of reducing the content of the phenolic compounds and
breaking their molecular structure by alkaline prehydrolysis. The pathways of substance
decomposition by advanced oxidation and alkaline hydrolysis were investigated separately
using liquid chromatography–mass spectrometry (LC–MS). Fourier transform infrared
spectroscopy (FTIR) was used to study the effect of the alkaline hydrolysis on the surface
functional groups of the flocs and their ability to capture the phenol. Finally, based on the
molecular weight obtained from the alkaline hydrolysis of the substance, the effect of the
product size on the adsorption and desorption times of the resin was analyzed, and its
service life was estimated. The present study provides a case for the establishment of an
alkaline pretreatment scheme for high chemical oxygen demand (COD) wastewater and
the recovery of effective substances.

2. Materials and Methods

2.1. Materials

Baotashan New Materials Co., Ltd. (Xianyang, China) generates 3 m3 phenolic wastew-
ater per day. Its pH is between 9 and 10, and the COD is 140,000 mgL−1. The wastewater
contains large molecules of phenols that are difficult to volatize. The aim was to discharge
water that met the Integrated Wastewater Discharge Standard (GB8978-1996), with a COD
of <500 mgL−1.

2.2. Methods
2.2.1. Alkaline Prehydrolysis Experiment

Wastewater (100 mL) was used for the alkaline hydrolysis experiment. (1) After adding
10 mL of 1200 mgL−1 polyaluminum chloride (PAC) to the wastewater, it flocculated and
settled for 12 h, and the COD of the supernatant was measured as a control. (2) The
wastewater was hydrolyzed at pH 12 for 12 h; then, 10 mL of 1200 mgL−1 PAC was
added to the mixture, which was flocculated and precipitated for 12 h, and the COD of the
supernatant was measured. (3) The wastewater was hydrolyzed at pH 12 for 12 h; then,
it was flocculated and precipitated for 12 h after adding 10 mL of 1200 mgL−1 PAC, after
which its pH was adjusted to 8, and the COD of its supernatant was measured. (4) The
wastewater was hydrolyzed at pH 12 for 4, 6, 8, 10, 12, and 24 h, after which its pH was
adjusted to 8. Next, it was flocculated and precipitated for 12 h after adding 10 mL of
1200 mgL−1 PAC; then, the COD of its supernatant was measured.

2.2.2. Macroporous Resin Adsorption Experiment

The macroporous resin (XDA-1G, Sunresin New Materials Co., Ltd., Xi’an, China) was
pretreated with 100 mL of anhydrous ethanol to fill the column. The column was washed
with 2–3 times the volume of water until there was no alcohol odor at the outlet. The initial
80 mL effluent was discharged as waste; then, its COD was measured, and LC–MS (8050CL)
and FTIR (FTIR-650) were carried out.

The measurement parameters of the LC–MS were as follows: ion source ESI (electron
spray ionization) (negative), drying gas (temperature 325 ◦C, flow rate 10 L min−1), atom-
ization pressure 50 psi, capillary voltage 4000 V, and mass spectrometry scan range (m/z)
50~500.
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The measurement parameters of the FTIR were as follows: spectral range (4000–400 cm−1),
resolution (0.1–0.5 cm−1), light range (2–10 cm), and scanning speed (1–20 cm/s).

2.2.3. Regeneration Life Test of the Macroporous Resin Adsorption–Desorption

Wastewater (100 mL) flowed through the packed column at a rate of 0.1 L min−1. After
the adsorption test, the column was backwashed with heated 4% NaOH solution. Subse-
quently, the column was flushed with 2–3 times the volume of water for desorption and
to remove the residual alcohol in the resin. The regeneration capacity of the macroporous
resin was determined based on the COD of the effluent after desorption.

2.2.4. Liquid Chromatography–Mass Spectrometry (LC–MS) Detection

The effluent samples were collected and analyzed using LC–MS. The parameters used
were ion source ESI (electron spray ionization) (negative), drying gas (temperature of
325 ◦C, flow rate of 10 L min−1), atomization air pressure of 50 psi, capillary voltage of
4000 V, and mass spectrometry (MS) scan range (m/z) of 50 to 500.

The simulations used pseudo-first-order, pseudo-second-order, Elovich kinetic, and
intra-particle diffusion models.

The effect of the alkaline hydrolysis on the degradation of the phenolic substances
was investigated using the pseudo-first-order, pseudo-second-order, and Elovich kinetic
models, and the equation for intra-particle diffusion. The simulation curve was drawn with
Origin software (9.0).

Pseudo-first-order kinetic model:

ln(Q e − Qt) = −k1t + ln Qe (1)

Pseudo-second-order kinetic model:

t/Qt = t/Qe + 1/
(

k2Qe
2
)

(2)

Elovich kinetic model:

Qt = (1/β) ln t + (1/β) ln(αβ) (3)

The equation for intra-particle diffusion:

Qt = k3t1/2 (4)

where Qe and Qt refer to the amount of COD removed at equilibrium and at any time t (h),
respectively; k1, k2, β, and k3 are the rate constants for the pseudo-first-order kinetic, pseudo-
second-order kinetic, Elovich kinetic, and intra-particle diffusion models, respectively, in
units of L·min−1, g·mg−1·min−1, L·min−1, and mg·g−1·min−1, respectively, for the reaction
process; α is the parameter for the initial reaction rate of the Elovich kinetic equation,
mg·g−1·min−1; and β is the Elovich kinetic equation constant, mg·g−1.

Each data point was measured in triplicate.

3. Results

3.1. Effect of the Hydrolysis pH on the Flocculation and Phenol Removal

The COD of the raw water was 100,000 mgL−1, and the pH was between 8 and 10. As
shown in Figure 1, when the PAC was added directly, the residual COD after flocculation
reached 80,000 mgL−1. After 12 h of alkaline hydrolysis at pH 12, the PAC was added to the
wastewater, and the COD of the supernatant after flocculation decreased to 68,000 mgL−1.
After hydrolysis, the pH was adjusted to 8, and the COD of the supernatant after flocculation
was 62,000 mgL−1, which was significantly lower than the previous result. After alkaline
hydrolysis of the phenol-containing wastewater, the PAC was first added for flocculation, and
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then the pH was adjusted to 8. The COD in the supernatant was 66,400 mgL−1. This result
was between the treatment effects of the two abovementioned methods.

Figure 1. Effect of the hydrolysis pH on the COD removal by flocculation.

Therefore, alkaline hydrolysis was necessary for the pretreatment of the phenolic
wastewater. This was because the phenol structure in the wastewater loosened, and the C-
O bond gradually broke due to the catalysis of the alkaline reagents [11,12]. Macromolecular
phenolic substances were disassembled into small molecules, which were then wrapped
and precipitated by the PAC and removed as precipitates, resulting in a substantial decrease
in the COD. After the alkaline hydrolysis, the wastewater pH was adjusted to 8, which
resulted in the best flocculation performance of the PAC. This was because the PAC was
hydrolyzed to stable and strongly bridged Al13 at pH 8 [13]. When the pH was 12, the
hydrolytic precipitation of the PAC was converted into soluble ions, such as AlO2, with
poor electric neutralization and sweep ability. This led to a poor flocculation effect [14]. In
addition, different pH values led to different forms of phenolic compounds, which led to
different reaction processes. Most phenolics are hydrophilic and have a constant to measure
the degree of acid–base dissociation. When the wastewater pH is too high and greater
than this constant, the phenolic substances are in ionic form [5]. However, the phenolic
compounds were more vulnerable to be attacked by alkaline reagents when they existed
in molecular form, causing their structure to be destroyed. Finally, after hydrolysis and
flocculation, the effect of the pH adjustment on the COD reduction was not obvious. This
was because the PAC formed a more stable structure with the phenolic substances and their
derivatives (Section 3.3); therefore, it did not participate in the subsequent reaction at pH 8.

3.2. Effect of the Alkaline Hydrolysis Time on the COD Removal

The effect of the hydrolysis time on the COD removal of the wastewater was studied,
and the results are shown in Figure 2A. The initial COD reached 100,000 mgL−1, and the
residue COD was reduced to 47,000 mgL−1 after 24 h, with a 53% removal efficiency. With
increasing time, the COD significantly decreased from 56,000 to 48,800 mg L−1 within
4–8 h, and the cumulative removal efficiency rapidly increased from 44% to 51.2%. With
increasing hydrolysis time, the C-O and O-O bonds of the hydroxyl groups were broken
more completely, as the alkaline reagent and the phenolics in the wastewater came into full
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contact [12]. In this case, more macromolecules were broken into smaller macromolecules,
resulting in a significant decrease in the COD. However, when the alkaline hydrolysis
exceeded a duration of 12 h, the COD slightly decreased from 47,200 to 47,000 mgL−1, and
the COD removal efficiency curve gradually flattened to 52.9–53%. The results showed that
the system reached equilibrium after 12 h, and the removal of the COD by hydrolysis did
not only depend on hydrolysis time. All the original phenolic substances in the wastewater
were destroyed in the structure, the C-O and O-O bonds were completely broken, and the
disassembled substances combined with the PAC to form new substances with a stable
structure. Therefore, the residual COD did not decrease significantly, and there was almost
no increase in the cumulative removal efficiency.

 
Figure 2. Effect of the alkali hydrolysis time on the COD removal (A) and its fitting curve (B).

In contrast to the oxidation methods for the treatment of phenol-containing wastew-
ater [15,16], alkaline hydrolysis uses only alkaline reagents and facilitates the extraction
and recovery of useful substances from the intermediate products obtained from the treat-
ment. In contrast to hydrolytic acidification, the phenolic wastewater is hydrolyzed from
insoluble organic matter to soluble material by the action of a large number of hydrolytic
bacteria, which converts insoluble substances into easily biodegradable ones, both of which
are released into the mixture, so that the COD concentration of the reactor effluent is still
very high, with a COD removal rate of only 30% [17]. However, the alkaline reagent of
alkaline hydrolysis acts directly on the C-O bond of the phenols, resulting in an increase in
the COD removal of up to 50%.

Notably, because the hydrolysis time was related to the molecular size of the phenols,
and the molecular size of phenols was related to the removal effect of the PAC adsorption,
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the hydrolysis time was indirectly related to the PAC adsorption. Therefore, an adsorption
kinetic model was used for fitting. With increasing alkaline hydrolysis time, the decline in
the COD in the water was simulated using pseudo-first order, pseudo-second order, Elovich
kinetic, and intra-particle diffusion models, as shown in Figure 2B; the fitting parameters
are listed in Table 1.

Table 1. Kinetic parameters.

Models Parameters

Pseudo-first-order kinetic model
K1 0.432
R2 0.93453

Pseudo-second-order dynamics model K2 0.01616
R2 0.93947

Elovich kinetic model
α 8891.15855
β 0.1939
R2 0.78161

Intra-particle diffusion model K3 2.90067
R2 0.6252

Table 1 shows that the R2 values of the alkaline hydrolysis in the four kinetic models
were 0.93453, 0.93947, 0.78161, and 0.6252, and both the pseudo-first-order and pseudo-
second-order kinetic models were applicable. However, the R2 value of the pseudo-second-
order dynamics model was higher than that of the pseudo-first-order kinetic model, indicat-
ing that the alkaline hydrolysis process was most consistent with the proposed secondary
kinetic model, and the reaction rate was mainly controlled by the chemical reaction. The
pseudo-first-order kinetic model was generally suitable for faster rate reaction processes,
while the pseudo-second-order dynamics model was more suitable for complex multi-
step reaction processes [18,19]. This showed that the alkaline hydrolysis of this phenol-
containing wastewater was a complex multistep process.

3.3. The Putative Metabolism Pathway of the BHT

Based on the known main production reaction of the factory, it was speculated
that the abundant substances present in the initial wastewater were 2,6-di-tert-butyl-4-
methylphenol (BHT) (220.35), 4,6-di-tert-butyl-m-cresol (220.35), and m-cresol (108.14). The
substances obtained after different treatments are shown in Table 2. The m-cresol was prone
to oxidize to 3-methylbenzaldehyde by O2 at 25 ◦C and standard pressure [20]. The Gibbs
free energy of the reaction was −32.69 KJ, which indicated that it could occur spontaneously
at room temperature and standard pressure. Therefore, 3−methylbenzaldehyde (120.15)
could replace m−cresol when the wastewater was stored in the collector for a long time.

Table 2. The composition of the raw sewage and after different treatments.

Different Treatments Composition

Raw wastewater m-cresol; 3-methylbenzaldehyde
Alkaline hydrolysis m-tolylmethanol

Alkaline hydrolysis + PAC
3-hydroxy-5-methylbenzyl chloride;

1-methyl-3-[(3-methylphenyl)
methylperoxymethyl]benzene

Alkaline hydrolysis + PAC + resin adsorption
6-{[3,5-bis(tert-butyl)-4-

hydroxyphenyl]methyl}-2-(tert-butyl)-4-
chlorophenol

Figure 3 shows the changes in the residual substances detected in the wastewater after
the successive treatment of the alkaline hydrolysis, the PAC flocculation–sedimentation,
and the resin adsorption. 3-Methylbenzaldehyde can undergo the Cannizzaro reaction
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to form m-tolylmethanol (122.17), which requires adjusting the wastewater to a strong
alkaline condition [21]. When the PAC was added, it was hydrolyzed to produce HCl, which
replaced the methane H in water to produce dichloromethane [22]. The dichloromethane
and m-tolylmethanol underwent Fourier alkylation in the alkaline environment in which
AlCl3 existed [23], and the H on the benzene ring was replaced to form 3-hydroxy-5-
methylbenzyl chloride (156.61). Meanwhile, two molecules of m-tolylmethanol formed
1-methyl-3-[(3-methylphenyl)methylperoxymethyl]benzene (242.31). Both 3-hydroxy-5-
methylbenzyl chloride and 1-methyl-3-[(3-methylphenyl) methylperoxymethyl]benzene
showed 106 levels of strength in the mass spectrum, and neither of these substances was
detected after the resin adsorption, indicating that they were removed by the adsorption.
The mass spectrum of the resin adsorbed effluent showed that all substances were at a
level of 106. It was speculated that the tert-butyl group of 4,6-di-tert-butyl-m-cresol in the
raw water was replaced by Cl−, which was generated by the hydrolysis of the PAC [22],
after which it reacted with 2,6-di-tert-butyl-4-methylphenol (BHT) to generate 6-{[3,5-
bis(tert-butyl)-4-hydroxyphenyl]methyl}-2-(tert-butyl)-4-chlorophenol (403). Its molecule
was larger than the pore size of the resin; therefore, it was not absorbed and removed by
the resin.

 

Figure 3. Inferred residual material structure in the wastewater treatment.

In short, although m-cresol was processed and produced by the factory, the real pollu-
tant in the wastewater after exposure to O2 was a low water-soluble aldehyde. Alkaline
hydrolysis was conducive to the conversion of the aldehydes into m-toluene methanol
dissolved in water, which was conducive to the water solubility of phenol and its capture
by the PAC. Macromolecules that could not be adsorbed by the PAC were also excluded
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from the pore size of the resin. This reduced the inflow concentration pressure of the resin
and assisted in the purification of valuable m-toluene methanol and resin regeneration.

3.4. FTIR Characteristic Analysis of the Functional Groups on the Surface of the Flocs
after Hydrolysis

The FTIR spectra of the effluents from the alkaline hydrolysis, pre-oxidation, alkaline
hydrolysis + resin adsorption, and pre-oxidation + resin adsorption are shown in Figure 4.
The results of the different treatments showed no significant difference between 400 and
1500 cm−1. The peak at 1500–1800 cm−1 was the stretching of the carbonyl C=O and
the contraction of the benzene ring C=C bond [24,25]. Based on the MS analysis, it was
found that the effluent from the four treatments formed similar products, which comprised
3-methylbenzaldehyde and 1-methyl-3-[(3-methylphenyl)methylperoxymethyl]benzene
(see Figure 3) and contained numerous C=O bonds. However, the peaks formed by the
other three treatments were comparable, except that the alkaline hydrolytic effluent had
the lowest absorption peak. This may be because the H on the phenol hydroxyl was easily
ionized with alkali to form negative oxygen ions [26]; thereby, the absorption peak shifted
to the right, and the absorption intensity weakened.

Figure 4. The FTIR characteristics of the wastewater after different treatments.

The peak at 3000–3500 cm−1 should be the contraction vibration of OH [27,28]. The order
of the peak strength was the alkaline hydrolysis < pre-oxidation < alkaline hydrolysis + resin
adsorption < pre-oxidation + resin adsorption. The OH bond vibration without the resin was
weaker than that with the resin. This may be due to the alkaline dehydrogenation of two m-
tolylmethanol to form a 1-methyl-3-[(3-methylphenyl)methylperoxymethyl]benzene molecule,
which was equivalent to the reduction of two phenol hydroxyl molecules [29]. After the
resin adsorption, 1-methyl-3-[(3-methylphenyl)methylperoxymethyl]benzene was removed,
and only the 6-{[3,5-bis(tert-butyl)-4-hydroxyphenyl]methyl}-2-(tert-butyl)-4-chlorophenol
contraction vibration was reflected using the FTIR (see Figure 3).

3.5. Effect of the Prehydrolysis on Improving the Service Life of the Resin Adsorption

The raw water and the alkaline-hydrolyzed wastewater were adsorbed by macrop-
orous resin. Next, the hot lye was backwashed three times for regeneration. The phenol
hydroxyl group produced sodium phenol in the alkaline environment, and the adsorp-
tion balance between it and the resin adsorption site was broken; therefore, the adsorbed
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molecules were dissolved back into the water phase [30]. As shown in Figure 5, the removal
capacity of the resin to COD in the raw water or alkali-hydrolyzed water decreased with
the increasing number of elutions. The two types of wastewater were treated by passing
the resin at the same flow rate. After being eluted five times, the adsorption capacity of the
resin for the COD in the raw water stabilized at approximately 45,000 mg L−1, which was
89.79% of its initial capacity. However, the adsorption capacity of the resin for the COD in
the alkali-hydrolyzed water stabilized at approximately 47,000 mg L−1, reaching 93% of its
initial capacity. The regenerated adsorption COD of the resin for the alkali hydrolysis was
significantly higher than that of the raw water, and the prehydrolysis prolonged the service
life of the resin adsorption.

 

Figure 5. Effect of the prehydrolysis on improving the resin adsorption capacity.

The sizes of the substances obtained from the different treatments are shown in Table 3.
The mass spectrum analysis results showed that the alkaline hydrolytic effluent contained
[3-(chloromethyl)-5-methylphenyl] methanol and 3,3′-[peroxybis(methylene)]bis(toluene)
with diameters of 6.4 and 8.3 nm, respectively (see Figure 3). The raw water contained
m-cresol, 4,6-di-tert-butyl-m-cresol, and 2,6-di-tert-butyl-4-methylphenol (BHT) with di-
ameters of 6.3, 8.3, and 8.8 nm, respectively. However, the average pore size of the resin
used was fixed at 8.5–9.5 nm. The diameters of the substances in the raw water and the
hydrolysis water were smaller than the average pore size of the resin, which proves that
they can be captured by the macropores. However, it was assumed from the molecular
size that the substances produced by the alkaline hydrolysis were smaller; therefore, the
hydrolyzed effluent was more easily adsorbed by the resin to reduce more COD. It was
also determined that the resin was more selective in adsorbing organic compounds with
smaller molecular sizes. The pore and particle size decreased along with the increase in the
number of flushes [31].
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Table 3. The molecular size of the substances produced.

Material Long Wide High Volume Diameter

m-Cresol 8.653 7.189 4.018 249.95 6.3
4,6-di-tert-butyl-m-cresol 10.752 8.196 6.505 573.24 8.306

2,6-di-tert-butyl-4-methylphenol
(BHT) 11.453 8.990 6.505 669.77 8.75

3-Methylbenzaldehyde 9.022 7.316 4.018 265.21 6.424
m-tolylmethanol 8.868 7.736 4.019 275.71 6.508

3-hydroxy-5-methylbenzyl chloride 11.116 8.087 4.019 361.29 8.322
1-methyl-3-[(3-methylphenyl)
methylperoxymethyl]benzene 15.773 8.040 4.545 576.37 8.255

6-{[3,5-bis(tert-butyl)-4-
hydroxyphenyl]methyl}-2-(tert-

butyl)-4-chlorophenol
15.372 10.212 8.312 1304.8 10.928

4. Conclusions

The wastewater produced during petroleum production contains phenolic compounds,
which are organic substances that are highly toxic and difficult to degrade. In the present
study, a novel technology combined with alkaline hydrolysis and resin adsorption was
used to treat phenol-containing wastewater.

The hydrolysis pH was controlled at 12 and maintained for 12 h. Phenolic compounds
existed in molecular form. They were more vulnerable to attack and destruction by alkaline
reagents. After the pH was adjusted to 8, phenols were wrapped with the PAC and
precipitated, resulting in a COD reduction of 38%. With the increase in the hydrolysis time,
the COD removal rate increased rapidly from 44% to 51.2%. After 12 h, the COD removal
rate gradually stabilized at 52.9–53%. Based on the kinetic model simulation, the hydrolysis
+ flocculation results were the most consistent with the secondary kinetic model. It was
a complex multistep process, and the COD removal rate was mainly controlled by the
prehydrolysis. The metabolic pathway revealed that although m-cresol was produced in
the factory, it was oxidized to a low water-soluble aldehyde. Alkaline hydrolysis converted
aldehydes into m-toluene-methanol, which was conducive to the dissolution of phenol
and for capturing the PAC. The FTIR showed that the effluents from the alkali hydrolysis,
pre-oxidation, and resin adsorption had similar products, containing numerous C=O bonds.
Because the alkaline dehydrogenation of two m-methylphenyl carbinols forms 1-methyl-3-
[(3-methylphenyl) methylperoxymethyl] benzene molecules, which were removed by the
resin, the OH bond vibration of the remaining substances after the resin adsorption was
stronger than that without the resin. The particle size of the material produced by the alkali
hydrolysis was 6.4–8.3 nm, which was smaller than that of the raw water (6.3–8.8 nm). The
adsorption capacity of the resin for the COD in the raw water was 45,000 mg L−1, with
89.79% renewability, while the adsorption capacity for the alkaline-hydrolyzed water was
47,000 mg L−1, with 93% renewability.

In conclusion, the alkali prehydrolysis before the resin adsorption can enhance the
treatment effect of high-COD wastewater, reduce the concentration burden of the resin
inflow, facilitate the control of the molecular size of adsorbed substances for repurification,
and provide innovative ideas to help resin elution and extend its lifespan.
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Abstract: To identify the influences of anthropogenic activities on the composition, spatial distribu-
tion, sources, and transformation mechanism of sedimentary fulvic acid (FA) fractions from different
reaches of an urban river were tracked via excitation-emission matrix (EEM) fluorescence spec-
troscopy with parallel factor (PARAFAC) analysis and two-dimensional correlation spectroscopy
(2D-COS). Sediment samples were collected from Baitapu River (BR) along gradients with human
activities (e.g., rural, town, and urban sections) in Shenyang, northeast China, from which FA frac-
tions were extracted and then determined via EEM fluorescence spectroscopy. According to optical
indices, the autochthonous sources of sedimentary FA fractions in BR were more significant than
the terrestrial sources. Among the sections, the contribution from autochthonous sources decreased
in the following order: Rural > Urban > Town. Six components of sedimentary FA fractions were
identified via EEM–PARAFAC: C1 comprised tryptophan-like (TRL) compounds; C2 was associated
with microbial humic-like (MHL) compounds; C3, C4, and C5 were associated with FA-like (FAL)
compounds; and C6 comprised humic acid-like (HAL) compounds. The proportion of sedimentary
FA fractions decreased in the following order: MHL + FAL + HAL (humus, 77.37–88.90%) > TRL
(protein, 11.10–22.63%) for the three sections, showing that humus dominated. The town section
exhibited the highest sedimentary FA fractions (5328.87 ± 1315.82 Raman unit [R.U.]), followed
by the urban (4146.49 ± 535.75 R.U.) and rural (2510.56 ± 611.00 R.U.) sections. Three pollution
sources were determined via principal component analysis (i.e., the dominant industrial source,
domestic wastewater, and agricultural effluent). Additionally, the results from 2D-COS revealed
that sedimentary FA fractions tended to stabilize as the protein-like component was transformed
into the HAL component. Furthermore, we used the structural equation model to validate the
critical environmental variables affecting the FA fraction transformation. The results can elucidate
the influences of human activities on the dynamics of sedimentary FA fractions in urban rivers.

Keywords: river sediment; fulvic acid fractions; variation; parallel factor analysis; structural equa-
tion model

1. Introduction

River sediments are an important part of the river ecosystem and function as the
main carriers and significant heterogeneous adsorbents for migrating, transforming, and
accumulating environmental pollutants [1,2]. Thus, they can significantly influence the
water quality and ecological functions of river ecosystems [3,4]. Fulvic acid (FA) fractions
are black substances enriched in sediments, which present a strong adsorption capacity
with contaminants [5,6]. Previous studies have reported that sedimentary FA fractions play
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an important role in governing the environmental geochemistry behavior of heavy metal
pollutants, which is attributed to the active functional groups such as phenolic, carboxyl,
and nitrogen-containing groups [7,8]. Nevertheless, few studies have been conducted on
the dynamics of sedimentary FA fractions. The external input of sedimentary FA fractions is
mainly influenced by anthropogenic activities (e.g., agriculture practices, industrialization,
and urbanization) [9]. They usually show spatial variations, and the dynamics of the
fractions are closely linked to environmental variables [10,11]. Therefore, it is necessary to
further elucidate the effects of environmental variables and transformation mechanisms of
sedimentary FA fractions, which is crucial for managing urban rivers.

The interactive mechanism of FA fractions and fluorophore groups can be described
via excitation–emission matrix (EEM) fluorescence spectroscopy [12]. Furthermore, paral-
lel factor (PARAFAC) analysis can mathematically decompose an EEM spectrogram into
individual fluorescent components and quantify its relative content by weakening the inter-
ference from overlapping fluorophores [13,14]. Two-dimensional correlation spectroscopy
(2D-COS) proved an effective technique in spectrum analysis, and it was generally used to
improve the resolution of spectra, establish unambiguous assignments, and determine the
sequence of the spectra [15]. Cui et al. [7] identified three components from the FA EEM,
each component with two ligands, and assessed the interaction of different FA ligands and
heavy metals via EEM-PARAFAC and 2D-COS combined technology; that is, high humifica-
tion FA ligand with more metal-binding sites had the strong metal-binding ability and low
metal-binding speed, whereas, low humification FA ligand presented high metal-binding
speed. Structural equation models (SEM) can be used to identify underlying processes or
unmeasured “latent” variables and explore the theoretical and empirical relationships of
variables in a network form [16]. In this study, we employed EEM-PARAFAC, 2D-COS,
and SEM to reveal the dynamic changes and transformation mechanisms of sedimentary
FA fractions affected by multiple anthropogenic activities.

Considering the unique geological features of the Baitapu River (BR) in Shenyang,
northeastern China, and the related human activities, we investigated the effects of anthro-
pogenic activities on the transformation of sedimentary FA fractions. Numerous farmlands,
industrial parks, and residential communities exist along the banks of BR, which can be
divided into different ecosystem compartments (i.e., rural, town, and urban sections). Thus,
it is ideal for studying the dynamic changes in sedimentary FA fractions derived from
different anthropogenic activities. In recent years, sewage emission caused by increased
agricultural activities, industrial manufacturing, and population has deteriorated water
quality [17]. Moreover, the Chinese Environmental Quality Standards for Surface Water
(GB-3838-2002) has classified the water environment of BR to be below grade V, which
necessitates urgent treatment. Consequently, identifying pollution sources and tracking
the variation of sedimentary FA fractions to facilitate pollution control is vital. The main
objectives of this study are: (1) to investigate the occurrence and spatial distributions
of sedimentary FA fractions in different ecosystem compartments of BR; (2) to identify
potentially anthropogenic pollution sources of sedimentary FA fractions through combined
statistical analysis models; (3) to compare the variations in FA fractions in different ecosys-
tem compartments and establish the differences and similarities; and (4) to explore the
potential mechanisms of transformation of sedimentary FA fractions from urban rivers,
which is important to reveal the fate of sedimentary FA fractions in aquatic systems. The
results can provide a theoretical basis and support for preventing anthropogenic pollutants
in urban rivers.

2. Materials and Methods

2.1. Sampling and Processing

BR (41◦37′–41◦43′ N, 123◦39′–123◦20′ E) is a level-one tributary of the Hunhe River in
Shenyang, Liaoning, China, with a total length of 51.5 km and a basin area of 182 km2. BR
belongs to a continental semi-humid climate zone with a mean annual average precipitation
of 600 to 800 mm and a mean annual average temperature of 6.2 ◦C to 9.7 ◦C. It comprises
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the central area of Shenyang City, including Hunnan District and Heping District, and
flows from southeast to northwest through different geological units (Figure 1). The runoff
is associated with agriculture; livestock and poultry breeding; and industrial, domestic,
and natural activities. In addition, its annual mean runoff volume is 227.2 million m3/year,
which is its main source of water supply [17]. Owing to the low flow rate in BR, which
plays a vital role in pollutant retention, BR is divided into three ecosystem compartments:
agricultural, industrial, and urban.

Figure 1. Distribution of sediment samples from BR taken in April 2016.

To cover the three major ecosystem compartments, potential pollution sources, and
hydraulic characteristics, 14 sampling sites along BR were selected (Figure 1). Among
them, sites S1 to S4 are located in the upper reach covering the rural region, where rural
domestic sewage, effluent from livestock and poultry farms, and agriculture sewage are
discharged. S5 to S8 is situated in the middle reach covering the town region, where
industrial wastewater and domestic sewage are discharged through sewage pipes. S9 to
S14 are located in the lower reach covering the urban region, which is affected by effluent
from wastewater treatment plants. In April 2016, surface sediments of 0–10 cm were
collected using a Peterson grab sampler (ETC200, Shanghai, China). To avoid potential bias
caused by accidental sampling, five surface sediments (~1.0 kg) were collected from the
center point of the sampling site and four positive directions toward the east, west, south,
and north according to the BR section width. Seventy sediment samples were collected
from these sites and refrigerated for transport to the laboratory within 12 h of sampling.
All sediment samples were freeze-dried, crushed, and sieved through a 0.2 mm mesh sieve
before analysis.

2.2. Sedimentary FA Fraction Extraction

Sedimentary FA fraction extraction was performed following the International Humic
Substances Society (IHSS) recommendations. In short, 10-g freeze-dried, crushed, and
sieved sediment was suspended in 100-mL mixed solution (50 mL of 0.1 M Na4P2O7·10H2O
and 50 mL of 0.1 M NaOH) to maintain the dry sediment to liquid ratio at 1:10. Subsequently,
the suspension was shaken for 24 h (200 rpm) at 25 ◦C in the absence of light. The
supernatant was collected by settling the sediment after centrifugation at 8500 rpm for
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l0 min. This process was repeated in triplicate, and the supernatant was pooled together to
filter through a 0.45-μm Millipore membrane to obtain a humus solution. Then, 6 M HCl
was added into the humus solution to adjust the pH value to 1–2, and the supernatant was
collected after precipitation at 4 ◦C for 12 h to obtain the FA fractions.

2.3. Physicochemical Analysis

The pH and electrical conductivity (EC) of the sediment were determined in a sed-
iment/water suspension (sediment/water ratio = 1:2.5) using a multifunctional water
analyzer (Hydrolab DS5, HACH, USA). The DO concentration of overlying bottom water
(5 ± 1 cm above the sediment) was recorded at the time of sampling in the field using
the Hydrolab DS5 water analyzer. The total nitrogen (TN) content of the sediment was
measured with a continuous-flow automated analyzer (FUTURA, Alliance, France) after
digestion with H2SO4-H2O2 [18]. The total phosphorus (TP) content of the sediment was
analyzed using the Murphy-Riley method after digestion with H2SO4-HClO4 [19]. The
combustion oxidation nondispersive infrared absorption method (HJ 501-2009) was used
to measure the total organic carbon (TOC) content of sedimentary FA fractions with a TOC
analyzer (TOC-LCPH, Shimadzu, Japan).

2.4. Fluorescence Measurements and PARAFAC Analysis

The fluorescence EEM spectra of sedimentary FA fractions were obtained using a
fluorescence spectrometer (Hitachi F-7000, Tokyo, Japan). Wavelengths of the excitation
(Ex) and emission (Em) were at 200–450 (step 5 nm) and 260–550 (step 5 nm), respectively,
with a scan rate of 2400 nm·min−1 [20]. Each measured EEM was corrected for the inner-
filter effect according to the absorption spectra of the same sample, and the blank signals
of Milli-Q water were subtracted to eliminate the influence of Raman scattering. Rayleigh
scattering was eliminated using an interpolation technique. The Rayleigh scattering and
spectrum data of the upper side were set to zero to eliminate the Rayleigh scattering
effect [21]. Then, the corrected EEM was modeled with PARAFAC using MATLAB R2019a
software with the DOMFluor toolbox (www.models.life.ku.dk, version 1.7) [22]. The correct
number of identified fluorescent components was determined via residual analysis, split-
half analysis, and visual inspection. Fluorescence intensity was normalized to Raman units
(R.U.), and the relative concentrations of each component were estimated using maximum
fluorescence intensity (Fmax). The contribution of each component to the total fluorescence
(%C1–%C6) was used as indices for the composition of sedimentary FA fractions.

Three optical indices, namely, fluorescence index (FI), biological index (BIX), and hu-
mification index (HIX) were used to infer the aromaticity, source, and humification degree
of sedimentary FA fractions, respectively, which could be calculated using EEM data [23].
Higher (>1.9) and lower (<1.4) values of FI indicate weak and strong aromaticity, respec-
tively [24]. Higher BIX (>1) and HIX (>10) are associated with a stronger biological/aquatic
bacterial contribution and a higher humic content. In comparison, lower BIX (<0.8) and
HIX (<4) are associated with a weaker contribution from autochthonous sources and a
lower humification degree [25]. The three indices are calculated and interpreted using the
following formulas:

FI =
I370/450

I370/500
, (1)

BIX =
I310/380

I310/430
, (2)

HIX =
∑ I254/435→480

∑ I254/300→345
, (3)

where I indicates the fluorescence intensity at each specific Ex/Em wavelength pair or range.
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2.5. Two-Dimensional Correlation Spectroscopy (2D-COS) Analysis

Two-dimensional COS analysis using 2D Shige software version 1.3 (Kwansei–Gakuin
University, XiGong, Japan) can provide specific orders of component variation information
under external perturbations. The variation in sedimentary FA fractions can be investigated
via 2D-COS analysis according to the Ex loadings of the PARAFAC components [26]. Noda
et al. [27] summarized the rules for analyzing synchronous and asynchronous maps. If
the signs of the two maps are the same in a given wavelength range, the event at the x-
coordinate is precedent to that at the y-axis, while if the signs are opposite, the preferential
changes are reversed with respect to the coordinates [28].

2.6. Statistical Analysis

Principal component analysis (PCA) is an excellent statistical tool for handling multi-
variate data with minimum loss of information [29]. PCA was performed to identify the
possible sources and compositions of sedimentary FA fractions from BR using pH, EC, DO,
TN, TP, TOC, FI, BIX, HIX, and the Fmax of C1–C6.

Path analysis based on a structural equation model (SEM) was used to predict inter-
active relationships between observed and latent variables and causality among latent
variables [30]. The applicability and overall goodness-of-fit test for SEM were determined
using the ratio of Chi-square, degrees of freedom, and significance coefficient (i.e., Chi-
square/df is less than 5, and the p-value is less than 0.05) [31].

3. Results and Discussion

3.1. Physicochemical Parameters

The three sections exhibited variations in physicochemical parameters (Table S1 and
Figure S1). The average pH of the sediments gradually increased from the rural (7.62 ± 0.28)
to town (7.85 ± 0.35) sections, and the pH of the urban section (6.77 ± 0.69) was signifi-
cantly lower than those of the rural and town sections. Zhang et al. [12] reported that the
relative abundance of Anaerolineae in sediment from the urban section was higher than
those in sediments from the rural and town sections, which facilitated protein degrada-
tion, accompanied by the production of a large amount of organic acid, resulting in a
weakly acidic environment in the sediment from the urban section. The urban section
exhibited the highest mean EC value (511.50 ± 330.95 μS·cm−1), followed by the rural
(400.44 ± 58.87 μS·cm−1) and town (357.47 ± 98.34 μS·cm−1) sections, consistent with the
results of Mahabeer et al. [32]. The urban dominant zones exhibited the highest EC value,
and agricultural activities increased the EC value through the enrichment of pollutants
from the associated anthropogenic activities. The DO concentration of the overlying bottom
water from BR varied significantly from 0.15 to 1.67 mg·L−1, which was lower than the
monitoring threshold (DO < 2 mg·L−1) according to the guidelines for the treatment of
rural black and black-odorous water (trial) (China 2019). This indicates that the sediments
in the whole river were all in a hypoxic state [33].

Additionally, the average content of TN increased from the rural
(2283.33 ± 880.83 mg·kg−1) to town (3176.80 ± 547.94 mg·kg−1) sections and then de-
creased in the urban (2554.68 ± 1089.90 mg·kg−1) section. The town section exhibited the
highest TN, which may be related to the industrial activities in this region. A large fertilizer
factory, identified in the industrial park along the town section, was possibly one of the
leading contributors to the elevated TN level in this section. The average TN content in
the rural section was comparable to that in the urban section, which may be related to
non-point sources from the predominant farming across the rural region, where nitrogen-
containing fertilizers could be leached into BR owing to surface runoff. Furthermore, the
mean TP content in the rural (842.22 ± 436.98 mg·kg−1) section was approximately half
of those in the town (1777.62 ± 643.39 mg·kg−1) and urban (1870.12 ± 1086.19 mg·kg−1)
sections. Phosphorous is relatively immobile in soils, and given its application as fertilizer
in farming activities in rural areas, phosphorus uptake by biota increases its retention
in the area [32]. In contrast, in the town and urban areas, phosphorus could enter the
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river system through impervious structures in the anthropogenic zones. According to
the sediment pollution evaluation criteria proposed by the United States Environmental
Protection Agency (EPA), over 90% of the 14 sampling sites were heavily contaminated
(TN > 2000 mg·kg−1, TP > 600 mg·kg−1), indicating that river ecosystems were destroyed by
human activities, leading to eutrophication. Moreover, the average TOC content of sedimen-
tary FA fractions decreased in the following order: Town (65.18 ± 31.36 mg·L−1) > Urban
(30.98 ± 13.20 mg·L−1) > Rural (20.57 ± 6.38 mg·L−1), which showed that the town section
exhibited the highest TOC, related to the industrial and residential activities. The effluent
from the industrial park with 20,000 m3·days−1 entered into the river at site S8; conse-
quently, it exhibited a higher TOC content than the other sampling sites. Specifically, the
TOC content significantly varied throughout the sedimentary FA fractions, with a coeffi-
cient of variation (CV) of 69.38% (Table S1), indicating that the distributions of sedimentary
FA fractions were strongly affected by multiple anthropogenic inputs and that significant
spatial differences occurred.

3.2. Fluorescence Spectroscopy Characteristics of Sedimentary FA Fractions

Through visual inspection, three representative pollution source types were obtained
in sedimentary FA fractions with six fluorescence peaks (Figure S2): peak tryptophan-like
(TRL, Ex/Em = 225–237 nm/340–381 nm); peak microbial humic-like (MHL, Ex/Em = 290–
310 nm/370–410 nm); peak soil-derived FA-like (FAL1, Ex/Em = 260–300 nm/400–500 nm);
peak ultraviolet FA-like (FAL2, Ex/Em = 237–260 nm/400–500 nm); peak visible FA-like
(FAL3, Ex/Em = 300–370 nm/400–500 nm); and peak terrestrial humic acid-like (HAL,
Ex/Em = 370–390 nm/480–500 nm) [20]. Sediments affected by different pollution sources
were measured and plotted as an EEM spectrum with various advantageous peaks. In the
spectrum of the sediments affected by agricultural effluent, peak FAL2 was the predominant
fluorophore of FA fractions (Figure S2a). The sedimentary FA fractions dominated by peak
MHL, FAL2, and FAL3 were mainly affected by industrial effluent (Figure S2b). Untreated
sewage effluent was raw sewage in municipal pipes, which flowed into BR owing to the
overloading of wastewater treatment plants that increased the fluorescence intensity of
peak FAL2 and MHL (Figure S2c).

The FI values of sedimentary FA fractions from BR were 1.55–2.03, with an average
value of 1.76 ± 0.09 (Figure S3a). Generally, FI values greater than 1.55 were associated
with microbial-derived sources [34]. This shows that the biological source of sedimentary
FA fractions was more significant than the terrestrial source in BR. The FI mean value in
the rural section (1.85 ± 0.07) was significantly higher than those in the urban (1.74 ± 0.05)
and town (1.69 ± 0.07) sections, indicating that the sedimentary FA fractions in the town
and urban sections exhibited stronger aromaticity than those in the rural section.

The BIX values were positively correlated with FA fractions formed from biological
activity [30]. The BIX values of sedimentary FA fractions from BR ranged from 0.67 to 1.23,
with an average value of 0.93 ± 0.11, indicating that most sediment samples of BR were
dominated by FA fractions from mixed sources (Figure S3a). The rural section exhibited a
higher mean BIX value (1.04 ± 0.10) than the urban (0.92 ± 0.06) and town (0.84 ± 0.09)
sections. This indicates that the contribution from autochthonous sources decreased in the
following order: Rural > Urban > Town.

The HIX values of sedimentary FA fractions from BR ranged from 2.14 to 9.23, with
a mean value of 5.93 ± 1.91, exhibiting a wide range of variation (Figure S3b). The town
section exhibited a slightly higher mean HIX value (7.00 ± 1.75) than the urban section
(6.44 ± 1.45). The rural section (4.08 ± 1.25) exhibited the lowest average value of HIX. This
indicates that the sedimentary FA fractions from the town and urban sections contained
higher amounts of condensed polyaromatic structures than that from the rural section.
Additionally, several sediment samples from the rural section exhibited low humification
levels, which may be associated with relatively low human and strong microbial activities;
thus, more endogenous FA fractions were released [23]. Furthermore, all sedimentary
FA fractions from the town and urban sections exhibited moderate humification levels
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(4 < HIX < 10), indicating that they were partly from exogenous input and biogeochemical
processes.

3.3. Identification of PARAFAC Analysis

To characterize the composition and distribution of sedimentary FA fractions, all
EEM data from the three sections were modeled using PARAFAC, and six independent
components were analyzed (Figure 2 and Table S2). The six components can be grouped
into two categories: one protein-like (C1) and five humus-like (C2, C3, C4, C5, and C6)
components. C1 (Ex/Em of 225 nm/380 nm) was identified as tryptophan-like (peak TRL)
associated with plankton production [30]. C2 (Ex/Em of 285 nm/390 nm) was identified as
microbial humic-like (peak MHL), related to biological products from the release of algae
and bacteria leachate [35]. C3 (Ex/Em of 260 nm/470 nm) was similar to soil-derived FA-like
(peak FAL1) [36]. C4 (Ex/Em of 240 nm/435 nm) represented the UV FA-like (peak FAL2),
which was usually derived from the breakdown of plant substances [35]. C5 (Ex/Em of
335 nm/420 nm) was identified as visible FA-like (peak FAL3), which was usually derived
from the breakdown of animal substances [35]. The broad and long wavelength peak of C6
(Ex/Em of 360 nm/480 nm) was categorized as terrestrial HAL compounds (peak HAL)
with a high molecular weight [14].

   

   

Figure 2. Six components determined by a PARAFAC model fit the EEM of sedimentary FA fractions.
(a) C1; (b) C2; (c) C3; (d) C4; (e) C5; (f) C6.

3.4. Distribution in Fluorescence Components

To investigate the variations in sedimentary FA fractions from different sections,
the variations in fluorescence intensity and proportion (%) of each component of the six
PARAFAC components were evaluated in detail (Figure 3). The total fluorescence inten-
sities in the town (5328.87 ± 1315.82 R.U.) and urban (4146.49 ± 535.75 R.U.) sections
were significantly higher than that in the rural (2510.56 ± 611.00 R.U.) section (Figure 3a).
This indicates that the town and urban sections faced heavier pollution of sedimentary
FA fractions than the rural section, which may be related to the large amounts of indus-
trial wastewater and urban domestic sewage occurring in the town and urban sections,
respectively. The rural section was surrounded by sparse villages and farmlands, asso-
ciated with a low intensity of anthropogenic activities, resulting in a low fluorescence
intensity of sedimentary FA fractions. The proportion of each component varied owing to
the different pollution source inputs (Figure 3b). For the rural section, %C4 (26.35 ± 1.36%)
exhibited the highest mean value of Fmax proportion, followed by %C1 (22.63 ± 2.47%),
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%C2 (17.61 ± 0.19%), %C3 (16.82 ± 2.33%), %C5 (11.85 ± 0.82%), and %C6 (4.74 ± 0.95%).
Peak FAL2 (C4) exhibited the strongest signal of sedimentary FA fractions in the rural
section, which is likely associated with the agricultural catchments in that region [25]. Peak
TRL (C1) exhibited the second-strongest signal of sedimentary FA fraction, which was a pre-
dominant biologically derived component associated with high primary production. The
mean values of Fmax proportion in the town section decreased in the following order: %C3
(21.05 ± 1.34%) > %C4 (19.16 ± 3.03%) > %C2 (18.79 ± 1.18%) > %C5 (17.92 ± 3.33%) > %C6
(11.98 ± 3.14%) > %C1 (11.10 ± 4.84%). The mean values of Fmax in the urban section
decreased as follows: %C4 (23.81 ± 0.89%) > %C3 (19.85 ± 0.94%) > %C1 (18.03 ± 1.90%)
> %C2 (17.67 ± 0.75%) > %C5 (13.42 ± 0.94%) > %C6 (7.22 ± 0.75%). A high protein
tryptophan-like (C1) abundance of sedimentary FA fractions was found in the rural and
urban sections, consistent with previous studies [37,38]. The percentages of sedimentary
FA fractions for the three sections decreased as follows: %C2 +%C3 +%C4 +%C5 +%C6
(humus-like, 77.37–88.90%) > %C1 (protein-like, 11.10–22.63%). As described, humus-like
compounds dominated the FA fraction because the terrestrial substances were the dominant
inputs, and labile protein-like compounds were rapidly consumed by microorganisms,
thus contributing a lower amount of protein-like fluorescence for sedimentary FA fractions.
In contrast, relatively stable humus-like compounds were preferentially preserved in the
sediments under hypoxic or anoxic conditions.

Figure 3. Plots of maximum fluorescence intensity (a) and proportion of six components (b) from the
PARAFAC model in different sections.

3.5. Identification and Apportionment of Sedimentary FA Fractions Sources

The variations in sedimentary FA fractions and the influences of human activities
were further investigated via PCA. Figure 4 summarizes the PCA results, including the
factor loading and score plot. The loading whose absolute value was greater than 0.6 of
the total variance was highlighted. The first two principal components explained 62.15%
(PC1) and 23.84% (PC2) of the total variance. PC1 was positively correlated with TOC
(r = 0.868), C2 (r = 0.818), C3 (r = 0.877), C5 (r = 0.756), and C6 (r = 0.908), but PC1 was
negatively correlated with FI (r = −0.610). This indicates that higher PC1 was related to the
terrestrial sources with condensed polyaromatic structures and humus content associated
with industrial sources [29]. PC2 exhibited a strong positive correlation with TP (r = 0.910)
and C4 (r = 0.653), indicating that PC2 was mainly associated with the emission of domestic
sewage and agricultural effluent [39].
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Figure 4. PCA results show the interrelation between physicochemical parameters, optical indices,
and PARAFAC components. Samples are color-coded to represent the rural (green), town (red), and
urban (black) groups; The green ellipse is the sedimentary FA fractions with a 95% confidence level
in rural section; The red ellipse is the sedimentary FA fractions with a 95% confidence level in town
section; The black ellipse is the sedimentary FA fractions with a 95% confidence level in urban section;
Arrows (blue) represent the factor loadings.

The sedimentary FA fractions with a 95% confidence level formed a cluster for each
ellipse in the score plot. The rural and town groups were assigned to different sides of
PC1 and had different PC1 values. Sedimentary FA fraction signals of the rural group
were identified by FI and BIX. In contrast, those of the town group were identified by a
greater number of humus-like compounds (C2, C3, C5, and C6), which indicates a higher
autochthonous feature in the rural section and a higher humification degree in the town
section [40–42]. However, the urban group was located on the positive loading of PC2. It
was positively correlated with C1, which may be related to the stimulated growth of phyto-
plankton owing to the increased nutrient level and decreased pH level in the urban section
sediments. The combined results reveal that the properties of sedimentary FA fractions
were affected by long-term external input, which possibly promoted autochthonous pro-
duction owing to the decomposition and mineralization of terrestrial material by microbial
activity and phytoplankton production.

3.6. Dynamic Variations in Sedimentary FA Fractions from Different Sections

Sedimentary FA fractions are heterogeneous and influenced by environmental factors
such as pH, EC, and DO. These factors play a vital role in the dynamic variations of
sedimentary FA fractions. The transformation order of the sedimentary FA fractions from
different sections was further explored via 2D COS analysis.

Peak TRL was negatively correlated with FAL1 in the synchronous and asynchronous
maps (Figure 5a1,a2), while peak FAL1 was positively correlated with FAL2 in the two
maps (Figure 5b1,b2). Moreover, peak FAL3 was positively correlated with FAL2 in the syn-
chronous map but negatively correlated with FAL2 in the asynchronous map (Figure 5c1,c2).
The correlations between peak MHL and peak FAL3 were similar to those between peak
FAL3 and peak FAL2 (Figure 5d1,d2). According to Noda’s rule [27], the sequential changes
followed the order: TRL→FAL1→ FAL2→FAL3→MHL. Studies have shown a competitive
relationship between biodegradation and photodegradation when the primary source was
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endogenous [43]. Consequently, labile tryptophan-like substances in the rural section may
be first transformed into relatively high concentrations of nitrogenous precursors for the
formation of the FAL materials [39]. Under conditions of light radiation, microorganisms,
particularly Actinobacteria, participated in the utilization of FAL components, and several
complex FAL components were degraded into simple compounds, followed by the pro-
duction of MHL components [44]. Particularly, the degradation order of FAL components
(FAL1, FAL2, and FAL3) was arranged by decreasing Em wavelength, possibly because light
destroyed and degraded the more resistant structure of FAL components into usable sub-
strates. Peak MHL was positively correlated with peak HAL in both the synchronous and
asynchronous spectra (Figure 5e1,e2), showing the order of MHL→HAL, which indicates
that MAL compounds could form a stable HAL compound through microbial polymer-
ization [45]. The sequential changes followed the order of TRL→FAL→MHL→HAL for
sedimentary FA fractions in the rural section.

Figure 5. Synchronous and asynchronous maps from 2D-COS analysis in the rural section. Red
and yellow represent positive correlations, and blue and green represent negative correlations.
(a1) Synchronous map, C1 vs. C3; (a2) asynchronous map, C1 vs. C3; (b1) synchronous map, C3 vs.
C4; (b2) asynchronous map, C3 vs. C4; (c1) synchronous map, C5 vs. C4; (c2) asynchronous map, C5
vs. C4; (d1) synchronous map, C2 vs. C5; (d2) asynchronous map, C2 vs. C5; (e1) synchronous map,
C2 vs. C6; and (e2) asynchronous map, C2 vs. C6.

The synchronous and asynchronous maps for the town section are shown in Figure 6.
Peaks TRL and FAL2 exhibited the same relationship (Figure 6a1,a2), while peaks FAL3
and FAL2 exhibited opposite relationships (Figure 6b1,b2) in the two maps, indicating
that the change order was TRL→FAL2→FAL3. The correlation between peaks FAL3 and
FAL1 (Figure 6c1,c2) showed the same signals, while peaks MHL and FAL1 exhibited
opposite signals (Figure 6d1,d2) in the two maps, which shows that the variation order was
FAL3→FAL1→MHL. Peaks MHL and HAL exhibited the same relationships (Figure 6e1,e2)
in the two maps, indicating that the variation order was MHL→HAL. Overall, the se-
quence variation of sedimentary FA fractions for the town section followed the order of
TRL→FAL2→FAL3→FAL1→MHL→HAL, similar to the variation trend of the rural section.
The variation is probably related to the same controlling factors in the rural section, such as
pH (Section 3.7). However, FAL1 degraded later than FAL2 and FAL3, attributable to two
factors, according to the reports by Yao et al. [46]: The first is physicochemical factors (e.g.,
pH, DO, TN, and TP), which were the most significant contributor to the river sediment
bacterial community (49.50%). The second factor is the occurrence of heavy metals, which
significantly contributed to the sediment fungal community (48.00%). The highest TN con-
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centration in the town section could significantly increase enzyme activity, facilitating the
conversion of active lignin and cellulose and promoting the degradation process of FAL2
derived from the breakdown of plant substances, consistent with the findings of Saiya-Cork
et al. [47], who observed that N addition increased βG (cellulolytic enzyme) activity. In our
previous study of heavy metals, the Naoxiao River near the town section of BR was proven
to undergo heavy metal pollution, particularly by Cd and Zn [48]. The presence of heavy
metals in the town section caused by exogenous input, such as through industrial sewage
and domestic sewage discharge, may alter the fungal community structure and properties.
For example, the heavy metals Cd and Zn can significantly affect the distribution and
microbial functions of saprotrophs, which were the dominant trophic mode of the fungal
community in sediment, mainly responsible for the decomposition of plant and animal
residues (FAL2 and FAL3) [49].

Figure 6. Synchronous and asynchronous maps from 2D-COS analysis in the town section. Red
and yellow represent positive correlations, and blue and green represent negative correlations.
(a1) Synchronous map, C1 vs. C4; (a2) asynchronous map, C1 vs. C4; (b1) synchronous map, C5 vs.
C4; (b2) asynchronous map, C5 vs. C4; (c1) synchronous map, C5 vs. C3; (c2) asynchronous map, C5
vs. C3; (d1) synchronous map, C2 vs. C3; (d2) asynchronous map, C2 vs. C3; (e1) synchronous map,
C2 vs. C6; and (e2) asynchronous map, C2 vs. C6.

Figure 7 shows the synchronous and asynchronous maps for the urban section. The
relationship between peaks MHL and TRL (Figure 7a1,a2) exhibited opposite signals
in the two maps. In contrast, peaks MHL and FAL3 (Figure 7b1,b2), FAL3 and FAL2
(Figure 7c1,c2) and FAL2 and FAL1 (Figure 7d1,d2) exhibited the same signals, indicating
that the variation followed the order of TRL→MHL→FAL3→FAL2→FAL1. The correla-
tion between peaks HAL and FAL1 (Figure 7e1,e2) showed opposite signals in the two
maps, indicating that the variation order was FAL1→HAL. Hence, the sequential change
order was TRL→MHL→FAL3→FAL2→FAL1→ HAL for the urban section, which follows
increasing Em wavelength. Generally, it has been reported that the fluorescence features at
longer Em could be linked with larger-size and higher-density structures [22]. This indi-
cates that the formation and transformation of sedimentary FA fractions tend to be more
complex and stable [50–52], consistent with the normal composting owing to the lowest
DO concentration (close to anoxia state) in the urban section (Table S1). The sequential
change order of sedimentary FA fractions differed among the three sections, and the effects
of environmental variables and terrestrial inputs on the decomposition and polymeriza-
tion of sedimentary FA fractions remain unclear. Thus, further exploring the influencing
mechanism is vital.
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Figure 7. Synchronous and asynchronous maps from 2D-COS analysis in the urban section. Red
and yellow represent positive correlations, and blue and green represent negative correlations.
(a1) Synchronous map, C2 vs. C1; (a2) asynchronous map, C2 vs. C1; (b1) synchronous map, C2 vs.
C5; (b2) asynchronous map, C2 vs. C5; (c1) synchronous map, C5 vs. C4; (c2) asynchronous map, C5
vs. C4; (d1) synchronous map, C4 vs. C3; (d2) asynchronous map, C4 vs. C3; (e1) synchronous map,
C6 vs. C3; (e2) asynchronous map, C6 vs. C3.

3.7. Environmental Factors Affecting the Transformation of Sedimentary FA Fractions

IBM SPSS AMOS 22 was employed to further explore the causal relationships between
environmental factors, nutrients, and sedimentary FA fractions from BR [53]. For Chi-
square/df = 4.647 and p = 0.000, the SEM model revealed the correlation of environmental
factors with the transformation of sedimentary FA fractions [30]. “Protein” and “Humus”
were latent variables (in ovals) (Figure 8), while the others were observed variables (in
rectangles). The path coefficients of TOC with pH, DO, and EC were 0.78, −0.64, and
0.28, respectively, which may be related to the conducive effect of the environmental
variables on the biological processes of sedimentary FA fractions through the influence of
the variables on microbial communities and functions. Particularly, pH showed the most
significant direct correlation with nutrients, which was consistent with the previous reports
that pH could significantly influence the environmental behavior of the sedimentary FA
fractions by altering nitrogen-related functions [4,46]. Zhang et al. [12] found that phylum
Proteobacteria and Chloroflexi were the dominant phyla in the river sediment, preferring
the degradation of aromatic compounds and protein-like substances. Moreover, Wang
et al. [54] reported that Actinomycetes and Planctomycetes in the sediments could be
potentially involved in organic matter degradation and methane and nitrogen cycling
processes, and the higher abundance of Limnohabitans was related to the lower pH and its
sensitivity to acid. The path coefficients of TOC with protein and humus were −0.59 and
0.65, respectively, indicating that TRL materials were mainly derived from autochthonous
sources, and humic-like materials were mainly derived from allochthonous sources [21].
Moreover, protein exhibited a significant negative effect (−0.21) on the humus, and the
factor loading decreased in the following order: FI (1.00) > BIX (0.98) > C1 (−0.05). Thus,
FI and BIX exhibited significant indirect negative effects on humus, mediated by the
latent variable of protein, particularly FI. This can be attributed to the transformation
of large amounts of allochthonous FA fractions in the sediments into autochthonous FA
fractions through microbial metabolism, which indicates that the autochthonous origins
were dominant in BR. Additionally, the path coefficient (0.37) of TP with humus was
positive, possibly because the nutrients from terrestrial input could facilitate microbial
transformation or humus production [55]. All TN/TP values were <20 (Table S1), which
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confirms previous reports that for TN/TP values less than 20, TN is deficient, and TP is the
limiting factor [56]. TP as the prominent driver of the bacterial community, is considered
closely related to chemoheterotrophy and fermentation [57]. In the humus measurement
model, the factor loadings decreased in the following order: C5 (1.00) > C2 (0.99) > C3
(0.98) > C6 (0.94) > C4 (0.80). This indicates that the C5 and C2 exhibited a significant
direct correlation with the latent variable of humus, related to the exogenous input and the
diverse microorganisms existing in the sediment. With a higher TOC concentration and
lower DO content, the bacteria in the sediment became more active, which caused a release
of bacterial metabolizing FA fractions [58]. In Figure 8, doubled-headed arrows indicate
correlations between variables (e.g., C1 and C2; C1 and C4), revealing that sedimentary FA
fractions tended to stabilize as protein-like components were transformed into humus-like
components [59], which was consistent with the results of Section 3.6.

 
Figure 8. Predicted path model for the sedimentary FA fractions; solid red lines indicate significant
positive effects, and solid green lines indicate significantly negative effects; solid black lines indicate
slightly significant effects; number adjacent to the lines are the standardized coefficients; single-
headed arrows represent unidirectional causal relationships; and double-headed arrows represent
non-causal covariance. Positive correlation; Negative correlation; * p < 0.05; ** p < 0.01.

4. Conclusions

Variations in sedimentary FA fractions in three sections of an urban river were ex-
plored. In the sediments, the biological source of FA fractions was more significant than
the terrestrial source, particularly in the rural section. The results of PCA revealed that the
sedimentary FA fractions were mainly affected by the discharge of industrial wastewater,
domestic wastewater, and agricultural effluent. Six components were identified from the
sedimentary FA fractions: C1 comprised TRL compounds; C2 was associated with MHL
compounds; C3, C4, and C5 were related to FAL compounds; and C6 comprised HAL
compounds. The sequential variation of sedimentary FA fractions for the rural and town
sections followed the order of TRL→FAL→MHL→HAL. In contrast, that of sedimentary
FA fractions for the urban section followed the order of TRL→MHL→FAL→HAL. Ac-
cording to SEM, the pH and TP were the critical environmental variables that influenced
the transformation of sedimentary FA fractions, labile protein-like component (C1) was
transformed into a stable HAL component (C6), and the stable HAL component might
persist for a long time in the environment and promote the internal release. Consequently,
the strict control of external source discharge and the adoption of remedial measures to
improve the river ecosystem is highly recommended.
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Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/w15122256/s1, Table S1: Physicochemical properties of sediments,
overlying bottom water, and sedimentary FA fractions from BR, China; Table S2. Description of the
six PARAFAC model components from the sedimentary FA fractions; Figure S1: Boxplots display
the spatial variation of physicochemical parameters. White circles indicate the mean values, boxes
show standard error, and whiskers delimit maximum and minimum; Figure S2: Representative EEM
of sedimentary FA fractions with various pollution types and sources: (a) agricultural effluent (S1);
(b) industrial effluent (S8); and (c) untreated sewage effluent (S13); Figure S3: Spatial variations of the
values of FI, BIX and HIX.
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