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Preface

Freshwater ecosystems are of worldwide importance for maintaining biodiversity and ecosystem

services; at the same time, they are highly vulnerable to increasing anthropogenic activities and global

climate change. Due to the multifunctionality of freshwater ecosystems, conservation management

and restoration measures could lead to an improvement in biodiversity, ecological quality, and

the supply of clean water and other ecosystem services to humans. In recent decades, extensive

national and international regulations have been adopted to protect water resources. Biological

monitoring/assessment methods and classification systems were greatly improved by the EU Water

Framework Directive (WFD 2000/60) through monitoring programmes based on species composition

and abundance. This Special Issue focuses on current research, and challenges, related to aquatic

diversity that explores important issues on the monitoring of ecological quality, experimental studies,

modelling, and the decline in species and contributes to conservation and preventing future loss of

freshwater biodiversity. Within the broad framework of “Ecological Monitoring and Assessment of

Freshwaters”, this Special Issue aims to highlight new research findings and significant advances

concerning all aspects of bio-assessment and aquatic ecosystem processes. Emphasis was given to

contributions that explore the dynamics and functioning of freshwater ecosystems, develop new

methods for monitoring and assessing ecological quality, investigate the use of biotic metrics or

indices, consider environmental DNA methods, include experimental studies, and promote the use

of modelling approaches. We believe that this reprint of “Ecological Monitoring and Assessment of

Freshwater Ecosystems: New Trends and Future Challenges” will offer readers comprehensive and

in-depth knowledge, thereby promoting further research in the field of freshwater monitoring and

assessment of ecological quality. This collection of twelve original articles, accepted for publication

from four continents of the world (Europe, North America, Africa, and Asia), expands our current

knowledge on various topics, including the use of freshwater biota as indicators of environmental

change, the application of models for predicting biological parameters, and the use of eDNA methods

for monitoring invasive species. Open access to all articles increases the opportunity to share

knowledge between researchers, managers and the public worldwide. Finally, we would like to

express our gratitude to the authors, the reviewers, and the editors for their time and expertise to

help this reprint evolve to its present edition.

Eva Papastergiadou and Kostas Stefanidis

Editors
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1. Introduction

Freshwater ecosystems, particularly rivers and lakes, are under severe pressure due to
increasing anthropogenic activities, such as water extraction, flow regulation, pollution, and
habitat fragmentation [1–3]. Local, regional, and global drivers of environmental change
(e.g., land cover transformation, pollution, the introduction of invasive species, and climate
change) are responsible for the loss of many freshwater biota and ecosystem functions all
around the world [4,5]. The global biodiversity crisis is more acute in freshwater ecosystems
than in any other ecosystem. The current rate of wetland loss is three times that of forest
loss and almost 27% of freshwater species are threatened with extinction [5]. Furthermore,
human-driven changes greatly impact the delivery of ecosystem services, affecting the
well-being of humans. Hence, introducing new conservation management and restoration
measures is mandatory to improve biodiversity, ecological quality, and the supply of clean
water and other ecosystem services to humans. Over recent decades, extensive national
and international regulations have been adopted to protect water resources. In Europe,
the biological monitoring, assessment methods, and classification systems in use have
been greatly improved by the EU Water Framework Directive (WFD 2000/60) through
monitoring programs based on species composition and abundance [6,7]. The goal of the
Water Framework Directive is to restore or maintain the ecological state of the freshwater
systems that are present across all of the EU member states. Thus, the WFD provides very
detailed guidelines for the implementation of ecological monitoring and the assessment of
all European inland and coastal waters [6,7].

Ecological monitoring is essential for understanding an ecosystem’s functions and
dynamics. The collection of biological and environmental data has greatly improved our
capacity to understand the impact of many anthropogenic activities on biotic communities
and the overall health of an ecosystem. Traditionally, ecological monitoring is based on ex-
tensive field surveys to acquire information about the diversity and composition of species’
communities and their relationships with the environment. Significant advancements in
monitoring have created novel methods and have delivered new tools that further increase
the efficiency of data collection and reduce the associated costs. The use of wireless sensor
network arrays (e.g., camera traps, acoustic sensors) promotes real-time monitoring with
high-frequency measurements over large spatial scales [8]. The analysis of satellite images
is another source of high-quality biotic and abiotic data with wide applications in ecolog-
ical studies including freshwater ecosystems [9]. Recently, function-based assessments
(species traits) and molecular methods (eDNA-based bioassessment) have been proposed
to complement or even replace current monitoring methods [10–14].

This Editorial refers to the Special Issue “Ecological Monitoring and Assessment of
Freshwater Ecosystems: New Trends and Future Challenges”. The wide scope of the Special

Water 2024, 16, 1460. https://doi.org/10.3390/w16111460 https://www.mdpi.com/journal/water1
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Issue aims to highlight new research findings and significant advances concerning all
aspects of bioassessment and the processes that occur within aquatic ecosystems. Emphasis
was placed on contributions that explored the dynamics and functioning of freshwater
ecosystems, developed new methods for monitoring and assessing ecological quality,
studies that included the use of biotic metrics or indices, environmental DNA methods,
experimental studies, and those that promoted the use of modelling approaches.

Twelve articles were finally accepted for publication from a total of twenty submissions
that were considered for the SI. The twelve selected studies cover four continents of the
world (Europe, North America, Africa, and Asia) and present results within the scope of
the SI that expand our current knowledge on various topics, including the use of freshwater
biota as indicators of environmental change, the application of models for predicting
biological parameters, and the use of eDNA methods for monitoring invasive species
(Table 1).

Table 1. Analysis of the contributions published in this Special Issue.

No of Contribution Focus on Biotic
Component/Ecosystem Process Type of Research Spatial Scale/Geographical

Coverage

1 Chlorophyll-a
concentration/eutrophication Modelling Ecosystem/Greece

2 Aquatic macrophtes/responses to
salinization and increased irradiance Experiment/Ecophysiology Ecosystem/Habitat/Greece

3 Riverine habitats Assessment method/index
development Catchment/China

4 Fish/predator effects Experiment South Africa

5 Phosphorus and nutrient losses at
catchment scale Modelling Multiple catchments/Europe

6 Zebra and quagga mussels/eDNA
assessment eDNA assessment Ecosystem/the USA

7 Aquatic macrophytes/ecological
quality index

Assessment method/index
development Multiple ecosystems/Greece

8 Meiofauna/responses to salinization Field study Catchment/Vietnam

9 Cyanobacteria/study on akinetes Biochemical/molecular study Organism/South Korea

10 Water quality and biological
quality indices Field study Catchment/South Korea

11 Macroinvertebrates and fish/responses
to pollution Field study Multiple

ecosystems/South Africa

12 Freshwater sponges/responses
to pollution Field study Multiple ecosystems/Serbia

2. Main Messages of the Special Issue and the Book

The current Special Issue and the contributions within it discuss many themes related
to aquatic diversity that focus on the monitoring of ecological quality, experimental studies,
modelling, and the decline in species and also contribute to conservation and preventing
future loss of freshwater biodiversity. The first article, by Hadjizolomou et al., examines the
potential to optimize artificial neural networks (ANN) for predicting the chlorophyll-a con-
centration in lakes with limited field data. The authors found that the ANN’s performance
is greater when the leave-one-out (LOO) cross validation method is used and increases
with the k-fold number. They also investigated the effects of the input parameters on the
prediction of Chl-a concentration by conducting a sensitivity analysis, and they found
that changes in conductivity and water temperature caused a higher % of changes in the
predicted outcome. Based on their results, the authors concluded that ANN models can be
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a useful tool for predicting chlorophyll-a, and potentially other lake variables, even when
data scarcity is an issue.

The next contribution was written by Malea et al., who experimentally investigated
the physiological responses of the submerged plant Stuckenia pectinata to high levels of
salinity and irradiance. Their results highlighted the plant’s significant photo-acclimation
potential, which could be used to regulate the number and size of its reaction centres and
photosynthetic electron transport chain through the dissipation of excess energy into heat.
They also found that the interaction between salinity and irradiance had a significant effect
on the plant’s Chl-a, b contents, which may indicate its potential ability to acclimatize
by adjusting the Chl a, b contents. However, they did not report significant impacts on
the relative growth rate, which could mean that the plant may become acclimatized by
reallocating resources to compensate for growth. Thus, the authors conclude that the
regulation of photosynthetic pigment content and photosystem II performance comprised
the plant’s primary growth strategy within the high salinity and irradiance conditions that
are likely to occur due to eutrophication and future climatic change.

The third article, by Yu et al., deals with the use of satellite imagery for assessing the
habitat quality of mountain streams in the Chishui basin in China. This study employs a
series of metrics based on water environmental status, river morphology, riparian zone,
and human disturbance, combined with stream order, elevation, slope, and sinuosity, to
classify habitats into types. The habitat assessment was conducted with the use of the
habitat quality index (CHQI) and the results indicated that the headwaters of three rivers
(Tongmin, Tongzi, and Xishui) have been impacted by anthropogenic activity. The authors
conclude that their habitat assessment method can be used for further biomonitoring in
other mountain river systems as well.

The fourth contribution, by Munyai et al., comes from South Africa and investigates
the effect of two predator fish, Oreochromis mossambicus and Enteromius paludinosus, on
Chironomidae prey. The study uses a comparative functional response approach to assess
the interactions of the two predator species when they are feeding on a readily consumed
prey within multiple predator scenarios. The findings of this article reported that each
species displayed a significant Type II FR, characterized by high feeding rates at low prey
densities. Oreochromis mossambicus had a steeper (initial slope, i.e., higher attack rate) and
higher (asymptote of curve, i.e., shorter handling time and higher maximum feeding rate)
FR, whereas E. paludinosus exhibited lower-magnitude FRs (i.e., lower attack rate, longer
handling time, and lower feeding rate). In multiple predator scenarios, the feeding rates
were predicted well by using those of single predators, both in conspecific and interspecific
pairs, and thus the authors did not find evidence for antagonistic or synergistic multiple
predator effects (MPEs). The results from this study, although experimental, improve our
current knowledge about how trophic interactions among conspecific or interspecific fish
species in Austral tropical wetlands might influence their aquatic prey species.

The article by Wade et al. is the fifth contribution to the SI and examines the relative
importance of the climate and land use drivers in nutrient loss in nine study catchments in
Europe and a neighbouring country (Turkey). Catchment-scale biophysical models were
applied within a common framework to quantify the integrated effects of projected changes
in the climate, land use (including wastewater inputs), N deposition, and water use on the
quantity and quality of river and lake water in the mid-21st century. The proposed land
use changes were derived from catchment stakeholder workshops, and the assessment
quantified changes in mean annual N and P concentrations and loads. The main finding of
this study was that, at most of the sites, the projected effects of climate change alone on
nutrient concentrations and loads were small, whilst land use changes had a larger effect
and were of sufficient magnitude that, overall, a move to more environmentally focused
farming achieved a reduction in N and P concentrations and loads despite the projected
effects climate change. However, at Beyşehir lake in Turkey, increased temperatures and
lower precipitation reduced water flows considerably, making climate change, rather than
more intensive nutrient usage, the greatest threat to the freshwater ecosystem. Individual
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site responses did, however, vary, and were dependent on the balance of diffuse and point
source inputs. The simulated changes in the chlorophyll-a content in the lake were not
generally proportional to changes in nutrient loading. Thus, further work is required to
accurately simulate the extremes in flow and water quality and determine how reductions
in freshwater N and P translate into an aquatic ecosystem response.

The next article by Marshall et al. presents and evaluates new eDNA assays that target
the extended repeat sections of zebra and quagga mussels. These assays lower the limit of
detection of genomic DNA by 100-fold for zebra mussels and 10-fold for quagga mussels.
Additionally, these newly developed assays facilitated longer durations of detection during
degradation mesocosm experiments and a greater sensitivity for the detection of eDNA in
water samples collected across western Lake Erie compared to standard assays that target
mitochondrial genes. Finally, this study illustrates how important it is to understand the
complete genomic structure of an organism in order to improve eDNA analyses.

The seventh contribution, by Stefanidis et al., presents a methodological approach
for the implementation of a WFD-compliant macrophyte index in the riverine systems
of Greece and the results from the pilot application of the index. The study analyses the
methodological framework for defining the stressor gradients and the least disturbed sites
along with the reference conditions that are required for the derivation of the ecological
quality classes. It also includes the classification of the river reaches into five quality
classes that were derived from the application of the Macrophyte Biological Index IBMR for
Greek rivers (IBMRGR). The main findings showed that hydromorphological modifications
were the main environmental stressors and that they were strongly with the correlated
IBMRGR, while physicochemical stressors were of lesser importance. In addition, the
ecological assessment showed that almost 60% of the sites failed the WFD target of a
“Good” ecological quality class, which agrees with classification assessments that were
based on other BQEs for Greece and many other Mediterranean countries. Overall, this
work provides the first assessment of the ecological classification of Greek rivers using the
BQE of aquatic macrophytes, which has significant implications for ecological monitoring
and decision making within the framework of the implementation of the WFD.

Nguyen et al. contributed to the SI with an article that assesses the impact of salinity
variations on riverine ecosystems with a particular focus on the responses of meiofauna to
salinization along the Van Uc River continuum in Vietnam. The main findings of this study
were that the meiofaunal richness indices were higher in the estuary and slightly decreased
upriver. Nematoda was the most dominant taxon at the salty stations, while Rotifera was
more abundant at the less salty ones. The results from a multiple variate analysis indicated
a strong interplay among salinity, nutrients, and pore water conductivity, which shaped
the meiofaunal distribution. The inclusion of pore water salinity, nutrients, and meiofaunal
community structure indicated that there was a greater extent of the saline ecosystem in the
estuary than previously thought, posing a greater risk to freshwater salinization. Hence, the
contribution by Nguyen et al. highlights the potential role of meiofauna as a bioindicator
but also calls for a reformation of salinity assessment for better freshwater conservation
and management.

The next contribution, by Kim et al., analyses the akinete structure, as well as akinete-
specific proteins and their amino acid sequences, of the cyanobacterium Dolichospermum
circinale. The akinetes were produced from vegetative cells isolated from the North Han
River, Korea, while the akinete protein was obtained using electrophoresis, and its antibody-
binding reaction potential (ig-score) was quantified. The authors found that the homology
of the D. circinale akinete-specific protein was very low (9.8%) compared to that of An-
abaena variabilis, indicating that its composition was substantially different, even among
phylogenetically close taxa. Overall, this article represents the first known report on the D.
circinale akinete protein and its amino acid sequence and offers insights into their practical
application for detecting akinetes in freshwater systems.

The tenth article is by Lee et al., also from South Korea, and investigates the effects of
land use on stream water quality and biological conditions in sub-watersheds and micro-
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watersheds across the Han River. By employing random forest models, the authors found
that water quality and biological indicators were significantly affected by forest areas at both
scales, and the sub-watershed models performed better than the micro-watershed models.
The effects on the water quality and biological indicators were similar regardless of the
scales, although the relationship between land use and stream conditions was slightly more
sensitive in the micro-watersheds than in the sub-watersheds. In addition, their results
showed that urban and agricultural areas showed a lower proportion of water quality and
biological condition variability in the micro-watersheds than in the sub-watersheds, while
the forests showed the opposite results. Hence, the authors concluded that the spatial
scale matters when developing effective watershed management strategies to maintain
stream ecosystems.

The next study, by Munyai et al., examined the relationships between environmental
parameters and biotic communities, with an emphasis on the effects of water and sediment
quality parameters on the macroinvertebrate and fish communities in three subtropical
reservoirs in South Africa. The results of their redundancy analysis and two-way ANOVA
showed that there were significant differences among the reservoirs, and they identified four
water variables (water temperature, oxidation–reduction potential, pH and conductivity)
and one sediment metal (Mg) as the most important parameters driving the structure of
the fish community. In addition, high concentrations of metals in the sediment of one of
the three reservoirs (Nandoni) suggested that anthropogenic activities have significantly
influenced the sediment quality, with severe implications for the ecological conditions.
Finally, the authors propose the need to adopt measures that improve the conservation of
these ecosystems.

The final contribution, by Andjus et al., assess the frequency of spicule malformations
in freshwater sponges in relation to selected environmental parameters of the streams and
the presence of river pollutants. The authors conducted a morphological analysis using
light and scanning electron microscopy, and recorded the number of anomalies (spicules
with bulbous enlargements that are sharply bent, bifurcated, scissor- and cross-like, and
t-shaped). The results reported single- and double-bent spicules as the main types of
anomalies. An important finding was that the authors found statistically significant differ-
ences in the concentrations of ammonia, orthophosphates, sodium, chloride, manganese,
and lead between the sites with the lowest and the highest numbers of anomalies. Thus,
this study indicates that several pollutants could be responsible for the occurrence of
spicule anomalies.

This Special Issue is devoted to articles that present new and original research on
topics focused on the ecological monitoring and assessment of freshwater ecosystems. More
than half of the articles examine the relationships between environment and freshwater
biota at various scales, from the organism level to the community and ecosystem levels
(Table 1). These studies focused on various biotic groups, including aquatic macrophytes
(contributions No 2 and 7), freshwater sponges (contribution No 12), fish (contribution No
4 and 11), and invertebrates (contributions No 8 and 11). In addition, some articles explored
new methods and research techniques for ecological monitoring, such as contribution No
6 which assesses novel eDNA assays for zebra and quagga mussels, contribution No 9
which deals with the use of akinete structure of cyanobacteria as indicator of environmental
change, and contribution No 1 which focuses on using ANN models to predict Chl-a
concentration in shallow lakes. The spatial scale of the studies varied from the local
(ecosystem scale) to the regional (catchment scale) and transregional (multiple catchments)
scales. Six of the articles include studies conducted at the local scale (one ecosystem or
catchment), three of the articles concern studies at a wider scale (multiple ecosystems or
catchments), and two of the articles were based on experimental research. Finally, one
study involved the biophysical modelling of nine catchments from Europe and Turkey to
investigate the effects of climate change and land use transformation on nutrient losses
under different future scenarios.
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3. Conclusions

Freshwater ecosystems cover less than 1% of the Earth’s surface and yet are among
the most diverse and threatened systems in the world [5]. The importance of freshwater
ecosystems in maintaining biodiversity and ecosystem services is becoming increasingly
clear, but, at the same time, freshwater ecosystems are highly vulnerable to human impacts
such as climate change and land use changes. The collection of articles in this SI show that
regional (e.g., land cover transformation, pollution, hydromorphological alterations, and
invasive species) and global (e.g., climate change) environmental changes are responsible
for the loss of many aquatic biota and ecosystem functions worldwide. Furthermore, there
is a growing number of studies, and EU policies such as the WFD 2000/60 and the habitats
directive, that highlight the need to improve current monitoring schemes and undertake
conservation and restoration actions within inland waters.

In this context, future research will prioritize gaining a better understanding of how
these changes can affect species, communities, functions, and ecosystem services by em-
ploying new methods and tools.

In the current SI, several topics were discussed which provide significant insights
into the monitoring, conservation, and management of freshwater ecosystems. Catchment
models, machine learning, eDNA assessments, and remote sensing are all tools that are
gaining ground in ecological monitoring (see contributions 1,3,5,6). In addition, ecological
studies based on field monitoring have begun to focus on less explored biotic groups,
such as sponges and meiofauna, and ecophysiological responses, producing promising
results with further implications for the ecological assessment of freshwater ecosystems
(contributions 2,4,8,9,12). Finally, the development and testing of new ecological indices
remain top priorities for freshwater ecologists (contributions 3 and 7) but also for managers
who are called in to assess the impact of anthropogenic stressors on freshwater ecosystems.
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Abstract: Artificial Neural Networks (ANNs) have wide applications in aquatic ecology and specifi-
cally in modelling water quality and biotic responses to environmental predictors. However, data
scarcity is a common problem that raises the need to optimize modelling approaches to overcome
data limitations. With this paper, we investigate the optimal k-fold cross validation in building
an ANN using a small water-quality data set. The ANN was created to model the chlorophyll-a
levels of a shallow eutrophic lake (Mikri Prespa) located in N. Greece. The typical water quality
parameters serving as the ANN’s inputs are pH, dissolved oxygen, water temperature, phosphorus,
nitrogen, electric conductivity, and Secchi disk depth. The available data set was small, containing
only 89 data samples. For that reason, k-fold cross validation was used for training the ANN. To
find the optimal k value for the k-fold cross validation, several values of k were tested (ranging from
3 to 30). Additionally, the leave-one-out (LOO) cross validation, which is an extreme case of the
k-fold cross validation, was also applied. The ANN’s performance indices showed a clear trend to be
improved as the k number was increased, while the best results were calculated for the LOO cross
validation as expected. The computational times were calculated for each k value, where it was found
the computational time is relatively low when applying the more expensive LOO cross validation;
therefore, the LOO is recommended. Finally, a sensitivity analysis was examined using the ANN to
investigate the interactions of the input parameters with the Chlorophyll-a, and hence examining the
potential use of the ANN as a water management tool for nutrient control.

Keywords: data scarcity; k-fold cross validation; artificial neural network; eutrophication

1. Introduction

Data-driven models are systematically used in the field of water resources manage-
ment because they are less demanding in terms of data acquisition and quantity than the
empirical and the physical-based hydrological models [1]. Artificial Neural Networks
(ANNs) are such data-driven models with a wide application in water resources and
aquatic sciences [2]. In particular, ANNs are used for modelling several domains of aquatic
ecology such as benthic macroinvertebrates, planktonic communities, fish assemblages,
and biomanipulation assessment [3]. During the last two decades, several ANN water
quality modelling studies were performed with very good modelling results [4–6]. Their
main advantages include their ability to model complex and nonlinear processes and
the fact that they do not require assumptions about the distribution of the data or the
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relationships between input and output variables [2]. In addition, they offer the user the
flexibility to successfully model environmental relationships with limited knowledge of the
problem [7]. Thus, ANNs are considered ideal for modelling aquatic ecosystems, which
are characterized by complex dynamics and nonlinear analytics [3].

Water quality monitoring programmes in particular produce a large amount of data
with complex structures [8]. Unfortunately, there are also many cases where insufficient
data quantity and quality can be a problem in ecological quality assessment and man-
agement [9]. Several factors such as bad weather conditions during monitoring, lack of
funding, and problematic sensors are responsible for the lack of data. Data scarcity of
water resources is an issue highlighted in the study of Cigizoglu and Kisi [10]; the authors
address this issue successfully by applying k-fold cross validation into the ANN’s training
data set. Generally, the phenomenon of data scarcity/small data sets when modelling with
ANNs is an issue found in many scientific fields and the method of k-fold cross validation
is widely used [11]. The problem of having a small data set when applying k-fold cross
validation is discussed in a water quality modelling study of Goethals et al. [5], where
it is stated that lower k-values may produce more robust ANN models, but with lower
performance, and therefore a high k-value is recommended.

In this article, we address the issue of training an ANN with a small dataset of water
quality parameters collected from a eutrophic lake in Greece. Eutrophication is one of the
most significant problems today that is responsible for the degradation of water quality in
many freshwater, coastal, and marine ecosystems worldwide [12,13]. Because freshwater
lakes are major providers of ecosystem services (e.g., water supply for potable use and
irrigation), eutrophication has severe socioeconomic implications that threaten human
well-being, particularly in areas of the world where water is scarce. Therefore, scientists are
developing new tools and methods for efficient and improved monitoring of water quality.
In addition, they employ advanced modelling techniques and algorithms for creating
novel forecasting schemes of eutrophication, since a lake’s ecosystem is very complex and
sensitive and even a mild external pressure (such as tourist activity) with small inflows
of biogenic elements can promote eutrophication [14]. Not surprisingly, ANNs have been
used before in modelling eutrophication processes in lakes [15]. Linear regression methods
and decision tree methods are some alternative methodologies used for eutrophication
modelling. These methodologies have the merits of needing few parameters to adjust and
being simple; however, they might not perform well when the data sample is small or does
not follow certain assumptions about linear or Gaussian distributions [16]. In contrast,
ANN models are not affected by the non-linearity effect, which is often observed between
the environmental parameters associated with eutrophication [17].

The purpose of this modelling study is two-fold. First, we trained an ANN by
implementing an approach of k-fold cross validation. Then, we compared the obtained
modelling results between models built with different k values. Additionally, the factor of
the needed computational time was also taken into consideration as a criterion for choosing
the optimal model, with respect to the ANN performance and complexity in terms of
computation time. Second, we examined the explanatory power of the optimal model to
identify whether it can act as a water management tool. We show that the ANN managed
to predict the chlorophyll-a levels of Lake Mikri Prespa with high accuracy. Based on this
model, the contribution of each environmental parameter was evaluated with the use of
a sensitivity analysis algorithm. The results of the sensitivity analysis produced useful
conclusions about the role of each parameter with emphasis on the role of nutrients levels
changes on the trophic status of the lake.

2. Materials and Methods
2.1. Study Area and Data Collection

The used dataset contains environmental variables obtained from Lake Mikri Prespa,
a shallow eutrophic lake located in northwestern Greece. The lake is an ecosystem of great
ecological importance as it belongs to the Prespa National park, is a Ramsar wetland site,
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an important bird area, and a Natura 2000 site [18]. The lake lies at an elevation of 853
m above sea level [19] and is located in the wider transboundary Prespa area shared by
Greece, Albania, and North Macedonia (Figure 1). The climate of the area is characterized
as sub-Mediterranean with continental influences, with frequent snowfall in the winter and
summer rain drops [20]. The lake is characterized as a shallow lake, with approximately 48
km2 of surface area, a maximum water depth of 8 m [21] and mean depth of 4.1 m [19]. The
trophic status of the lake is characterized as eutrophic. As a result, prolonged cyanobacterial
blooms have been recorded, which may start in spring and persist until December [22].

Figure 1. Map of the transboundary Mikri Prespa Lake located in northwestern Greece.

Chlorophyll-a concentration and environmental data were collected from fifteen sam-
pling sites on a seasonal basis from 2006 to 2008 (see Hadjisolomou et al. [19]). We used
the following environmental parameters as predictors of chlorophyll-a (Chl-a): pH, surface
dissolved oxygen concentration (DO), electrical conductivity (EC), Secchi disk depth (SD),
water depth (WD), surface water temperature (WT), total phosphorus concentration (TP)
and dissolved inorganic nitrogen concentration (DIN).

The basic statistical properties of the environmental parameters are shown with the
use of box plots in Figure 2.
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Figure 2. Box plot of the monitored environmental parameters (red horizontal line: median value;
box: 25–75% percentile; whiskers: valid range; red marks: extreme values referred as “outliers”).

2.2. Preliminaries on ANN and Model Construction

ANNs mimic the way biological neurons learn and make logical conclusions. A
very popular ANN is the multi-layer feedforward (MLF) network trained by the back-
propagation algorithm [23]. Feedforward networks are considered suitable for function
approximation problems. The MLF networks are divided into at least three layers and
each layer consists of neurons. The first layer is the input layer, followed by at least one
intermediate hidden layer and the output layer that produces the final output. Each neuron
of a layer relates to all the neurons of the next layer using synaptic weights. Every neuron
performs aggregation on its weighted inputs and yields an output through an activation
function. The most commonly used activation functions are the linear, the logistic and
the hyperbolic tangent activation function [24]. The output value of the j-th neuron (oj) is
given by the equations as described by Dedecker et al. [25]:

oj = f
(
uj
)

(1)

uj = ∑
∀i

wijxi + zj (2)

where f is the activation function, xi is the input from i-th neuron belonging to the im-
mediate previous layer, wij is the synaptic weight that connects xi with the j-th neuron
and zj a bias term. The output of each neuron is computed and propagated through the
next layer until the last layer, producing a network output that compares with the given
output [26]. The learning procedure is repeated several times with the use of a training
algorithm and each time the synaptic weights are adjusted until they minimize an error
function, usually taken as the mean square difference between the predicted and the given
output [27]. The Levenberg–Marquardt (LM) algorithm has the fastest convergence among
the existing variations of backpropagation algorithms when it comes to ANNs with up to a
few hundred parameters [23].

The topology of an ANN that determines the number of hidden layers and the number
of neurons in each layer can be determined after a trial and error procedure [28,29]. The
topology of a 3-layer ANN can be presented as L1-H1-L2 where L1 is the number of neurons
in the input layer, H1 the number of neurons in the hidden layer and L2 the number of
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neurons in the output layer. In order to avoid overfitting, the maximum number of the
hidden layer neurons can be computed according to the following the rule of thumb
proposed by Maier et al. [30]:

NH ≤ 2N I + 1 (3)

NH ≤ 2NTR/
(

N I + 1
)

(4)

where NH is the number of hidden layer neurons, N I the number of inputs, and NTR the
number of training samples. The maximum NH must be the smallest number found by
those two rules.

Data normalization is a common procedure since the ANN’s performance is im-
proved [25,31] and after network training the data is set back to its initial form. Dimen-
sionality reduction of the measured variables is also recommended in order to achieve a
reduced size of the original data set of variables [32]. The variable/parameter’s dimension
reduction is performed not only because it reduces the model computational complex-
ity, but also eliminates the possibility for model’s misconvergence and poor accuracy [4].
ANNs are evaluated based on several performance indices for their test set [33]. The Root
Mean Square Error (RMSE) and Mean Absolute Error (MAE) are some commonly used
performance indices and have the following mathematical formulas, respectively [34,35]:

RMSE =

√
∑n

i=1(oi − si)
2

n
(5)

MAE =
1
n

n

∑
i=1
|oi − si| (6)

where for the above set of equations the parameter oi is the observed value, si the simu-
lated/predicted value, and n the number of observations.

The sensitivity analysis is performed based on the ‘Perturb’ method. The ‘Perturb’
method is a sensitivity analysis methodology, which is computing the perturbation effect
of the input variables regarding the output variable. The ‘Perturb’ method is examining
the effect that a small change of an input variable has on the ANN’s output, therefore the
input variables can be classified by an order of importance [36]. The mathematical formula
that describes the ‘Perturb’ method of sensitivity analysis is explained by Lee et al. [37] as
follows:

Sensitivity (%) =
1
n

n

∑
i=1

(
change in output (%)

change in input (%)

)

i
× 100 (7)

where n represents the number of observations.
The k-fold cross validation method is used in order to avoid overfitting and the data

set is divided into k equally sized folds/subsamples [38]. For each k-fold of the data set, an
ANN model is trained on the other k − 1 folds of the data set and validated for the k-th fold.
The cross-validation procedure is repeated k times (hence, each fold is used exactly once as
the validation data set) and finally the average of the k calculated validation performance
indices is computed [39,40]. According to Goethals et al. [5], the optimal k-value is found
based on an evaluation procedure, where the robustness and reliability of the developed
ANN models is assessed. A high value of k is recommended when the dataset is small and
has very few observations. An extreme case of the k-fold cross validation method is the
case of leave-one-out (LOO) cross validation, when the arithmetic value of k equals the
number of measured samples (n) in the dataset.

3. Results

The monitored variables (pH, DO, EC, SD, depth, WT, TP, DIN, and Chl-a) were
analyzed for collinearity by calculating the Pearson correlation coefficient (r). As stated
by Gebler et al. [41], the deletion of the collinear parameters helps the ANN to avoid
unnecessary/superfluous information and simplifies the model’s structure. The results of
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the correlation analysis (Table 1) revealed a strong correlation between the parameters SD
depth and water depth (r = 0.722). Therefore, the parameter water depth is eliminated
from the ANN’s inputs. The Matlab (R2018b) software was used for data analysis and
ANNs’ development for the needs of this study.

Table 1. Results of the Pearson correlation coefficient (r) for the monitored environmental parameters.

pH DO EC SD Depth WT TP DIN Chl-a

pH 1.000
DO 0.089 1.000
EC 0.260 −0.169 1.000
SD −0.385 −0.229 0.094 1.000

depth −0.153 −0.186 0.051 0.722 1.000
WT 0.442 −0.077 0.602 −0.278 −0.006 1.000
TP −0.106 −0.164 0.048 0.299 0.216 −0.066 1.000

DIN −0.131 0.251 0.097 0.059 −0.093 −0.179 0.198 1.000
Chl-a 0.234 −0.101 0.267 −0.124 −0.163 0.362 −0.014 −0.172 1.000

DO (dissolved oxygen, mg/L); EC (electric conductivity µS/cm); SD (Secchi disk, m) depth; depth (water depth,
m); WT (water temperature, ◦C); TP (total phosphorus, µg/L); DIN (dissolved inorganic nitrogen, µg/L); Chl-a
(Chlorophyll-a, mg/L). For strong correlations (r > 0.7), the associated value is shown with bold characters.

Several topologies were examined using a typical trial-and-error methodology, as
recommended by Ozesmi et al. [29] and Palani et al. [42]; while a more analytical procedure
for finding the ANN’s optimal topology is described in the study of Tuhtan et al. [43]. The
7-8-1 topology was found to be the optimal based on the calculated performance indices,
which in our case are the Root Mean Square Error (RMSE) and the Mean Absolute Error
(MAE). The k-fold cross validation method is applied in this modeling study, since the data
sample for the ANN learning and training is small (n = 89, corresponding to sample points
without any missing values). The optimal k-value was calculated among a candidate set for
k values ranging between [3,30] and the LOO cross validation case (where k = 89). For each
k-value, k ANNs (with the same topology 7-8-1) were created and their performance indices
for the test sets were averaged (see Figures 3 and 4). Based on RMSE and MAE results for
each k-value, it was calculated that the optimal k-value was k = 89 since it produced the
lowest RMSE and MAE. The calculated RMSE and MAE values for k = 89 are always equal
because there is only one observation (n = 1) per test data set (recall Equations (5) and (6)).
It must also be noted that k = 89 exhibits the maximum number of outliers when calculating
the RMSE and MAE performance indices. However, the ratio of outlier number per k-fold
number (when k = 89) is lower than the calculated ratio for the majority of k = 3:30.

The computational time needed to train and test each ANN model for the different
given k values was recorded (Figure 5). Based on the different time values that are needed
for each k-fold, the comparison for the needed time and the ANN’s performance for the
given k values is enabled (by observing Figures 3–5). The LOO case had the highest
computational time (t = 314 s), as expected. Even though the LOO case had the highest
computational time, this time value is relatively low because the data set is small and
consists of only 89 samples. The RMSE and MAE values are following a clear pattern,
where they decrease as the k number increases. For the k = 89 case, the RMSE and MAE
are equal to 0.36; however, for k = 30 the RMSE = 2.33 and MAE = 1.42. Therefore, for
the k = 89 value there is a significant improvement of the ANN’s modelling performance
compared with that of k = 30 with low computational overhead. So, by considering both
the computational times and the performance indices, it is decided that the k = 89 (LOO) is
the best value for the modelling needs of this study.
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Figure 3. Comparison of the ANN’s Root Mean Square Error (RMSE) performance index for k = 3:30
and k = 89 (leave-one-out case) values. k = 89 achieves the lowest RMSE = 0.3605. Red marks are
extreme values referred as “outliers”.

Figure 4. Comparison of the ANN’s Mean Absolute Error (MAE) performance index for k = 3:30 and
k = 89 (leave-one-out case) values. k = 89 achieves the lowest MAE = 0.3605. Red marks are extreme
values referred as “outliers”.
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Figure 5. Comparison of the ANN’s computational times for k = 3:30 and k = 89 (leave-one-out case)
values.

The associated results for predicting Lake’s Mikri Prespa Chl-a production are based
on the averaged values for the LOO case. The ANN model’s sensitivity analysis is also
expressed based on these averaged values.

The created ANN model managed to predict with good accuracy the Chl-a levels,
as it was demonstrated from the RMSE and MAE indices. The measured values of the
Chl-a parameter are plotted against those predicted by the ANN (Figure 6) for both the test
dataset and the averaged predicted values of the entire dataset. It can be observed that these
three graphical plots are almost identical. Therefore, the ANN model can be characterized
as a reliable predictor for the Chl-a parameter. The biggest differences between the real
and the averaged predicted data are observed for some elevated values of the Chl-a
parameter. However, the ANN typically produces output results that match/describe the
lake’s tendency towards a eutrophic or hypereutrophic status for these elevated values of
Chl-a input data. Additionally, the test data points also match the real data points closely,
with the exception of a few instances.

Figure 6. Graphical representation of the monitored (real) chlorophyll-a (Chl-a) values against the averaged predicted
values and the test data. The green and red dotted horizontal lines show the Chl-a limits for when a lake becomes eutrophic
and hypereutrophic [44], respectively.

The ANN’s sensitivity analysis algorithm allowed the calculation of each input en-
vironmental parameter’s impact on the Chl-a parameter. The input parameters were
perturbated by −10%; −5%; +5%; and +10% for each of the 89 inputs and the average
results are presented in Figure 7. These input’s fluctuations correspond to different mod-
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elling scenarios that examine the Chl-a level’s changes in regard with the perturbation of
the ANN’s inputs.

Figure 7. The sensitivity analysis calculating parameter contribution (%) after a change. Where
ANN’s input parameters: pH; dissolved oxygen (DO); electric conductivity (EC); Secchi disk (SD)
depth; water temperature (WT); total phosphorus (TP); and dissolved inorganic nitrogen (DIN).

The pH parameter perturbations between −10% and +5% produced no clear results
about the interactions between pH and Chl-a. However, for increased pH values (+10%
change) a significant change of Chl-a levels is observed (+99.08%).

The DO parameter perturbations seem to follow a pattern, where the Chl-a levels
are increased when the DO parameter is increased and vice versa. EC had the greatest
contribution to the Chl-a production (600.9% when the EC is increased by 10% and 198.2%
when decreased by 10%). Interestingly, smaller increases or decreases of EC lead to smaller
increases to Chl-a.

Regarding SD parameter’s negative or positive fluctuations, the ANN also did not
reveal a clear pattern. Although algal production is not the only mechanism affecting the SD,
lower water transparency (−10%) was related with an increase of Chl-a by approximately
44%.

The WT fluctuations were associated with increase in Chl-a levels. However, in the
cases of WT increases, the Chl-a increased drastically, showing the strong impact of WT on
Chl-a. Both TP and DIN are related to the Chl-a parameter. It is clearly shown that Chl-a
changes follow the changes in TP and DIN.

4. Discussion

Data scarcity is a computational issue which lake modelers must address very often.
As it is highlighted by Jeong et al. [45], the unavailability of suitable/enough freshwater
quality data is a problem found when applying machine learning techniques. Generally,
ANNs must be trained with a big enough data number in order to produce good results.
When more data are available during the training process, more accurate results are given
by the ANNs [46]. As mentioned by Kavzoglu [47], a small sample size might result in poor
performance of the ANN. Under these conditions, k-fold cross validation is considered a
good option [48]. 10-fold cross validation is widely used in ANN water quality modelling
studies (e.g., [39,49]), while 5-fold cross validation (e.g., [50]) is also used. In some cases,
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researchers are using less commonly used k values. For example, in a water quality
modelling study by Chang et al. [51], the created ANN was verified with the use of 14-fold
cross validation.

In our case, since the available data set was very small (n = 89), the k-fold cross
validation method was applied and investigated. The k number was ranged for values
between [3,30] and LOO cross validation was also investigated. It was clearly observed
that the bigger values of k produced better outputs. In the case of LOO cross validation,
the predicted outputs were highly reliable, since they were evaluated based on a very
low RMSE = 0.3605. Additionally, the graphical plots of the real data and the predicted
data demonstrate an almost perfect match, except for a few instances related with very
high values of Chl-a concentrations (eutrophic/hypertrophic values). However, even in
that case, the ANN managed to capture the Lake’s Mikri Prespa tendency for eutrophic
conditions and the predicted outputs were characterized as eutrophic instances/values.

LOO cross validation was not only chosen for the needs of this ANN modelling study
because it calculated the best outputs, but the computational time factor was also taken into
consideration. The computational time for k = 89 (LOO), was higher than the time needed
for smaller k values. However, the computational time needed for k = 89 is still relatively
low (t = 314 s) and is considered practical. Hence, choosing the LOO cross validation for
the ANN modelling is not a limitation based on computational time terms. Therefore, even
though the k = 1:30 values can produce faster computations, the ANN’s good performance
calculated with the use of LOO cross validation prevailed.

Besides the development of a reliable model based on ANN techniques adjusted
for the needs of Lake Mikri Prespa, another objective of this study was the extraction of
information related with the role/impact of the measured water quality parameters to
algal production. The sensitivity analysis had a crucial role for investigating a parameter’s
contribution. The negative or positive fluctuations of the input parameters, and specifically
nutrient perturbations, allowed us to create various modelling scenarios. Based on the
application of sensitivity analysis, useful results about Mikri Prespa Lake algal production
can be extracted and the constructed ANN can serve as a lake restoration management
tool [52]. The impact of the environmental parameters on the Chl-a can be directly mea-
sured/quantified based on sensitivity analysis algorithm. ANN-based modelling studies
(e.g., [17,53]) dealing with eutrophication control are of great environmental significance.
ANNs are ideal for ecological modeling, since they can model phenomena with non-linear
and complex data [52]. Furthermore, ANNs require no a priori assumptions about the
model or the data distribution [54] and are considered advanced modelling techniques,
because they can be used on a heterogeneous data set. ANNs are successfully addressing
these modelling issues, which other modelling methods might fail to overcome. There-
fore, the development of ANNs for limnological studies is considered a good modelling
practice. Modelling scenarios based on ANNs can aid management authorities with the
implementation of measures for lake water quality improvement and ecosystem restoration.
For example, quantifying the ecosystem response to a simulated decrease of one or both
nutrients (phosphorus and nitrogen) can provide useful insight whether managers should
target only phosphorus or both phosphorus and nitrogen. With this study we showed a
strong connection between Chl-a and nutrients, which corroborates many limnological
studies [55–57].

Concerning the other parameters (i.e., EC, SD and WT), the ANN did not produce a
clear pattern. However, as stated by Hadjislomou et al. [19], the modelling of limnologi-
cal parameters is a very case-sensitive task and the underlying mechanisms controlling
limnological parameters are complex and usually their interactions are not easily corre-
lated/examined. ANNs are data-driven models and the relationships/interactions among
the associated parameters are not always easy to be understood, since ANNs require no a
priori assumptions about the model or the data distribution [54]. Additionally, even if the
created ANN is a good predictor for the Chl-a parameter, there are many other factors that
might play an important role in explaining the observed patterns of Chl-a. As stated by

18



Water 2021, 13, 1590

Napiórkowska-Krzebietke et al. [58], the dynamics and the accumulation of cyanobacterial
blooms in lakes are controlled by many factors, such as wind strength, while wind-driven
sediment resuspension is a common feature in shallow lakes. Additionally, other special
characteristics of the lake (e.g., location) must be taken into consideration when examining
algal production. For example, the extended duration of cyanobacterial blooms in Lake
Mikri Prespa is favored by the warm Mediterranean climate throughout the year [22].
Regarding the WT, the results of the sensitivity analysis are in agreement with a relevant
modeling study of Lake Mikri Prespa [19], where the interactions among the environmental
variables with the help of an unsupervised ANN were examined. It was concluded that
the data from Lake Mikri Prespa are primarily associated with the WT. Temperature has
a crucial role for the Mikri Prespa lake’s functioning, and because it is a shallow lake, it
is affected by the seasonality effect. The results of our modeling study agree with these
findings, since in our case the WT is calculated to be the second most influencing parameter.

Another interesting finding derived from the sensitivity analysis results is the rela-
tively small increase of Chl-a, which is observed for negative changes of the WT parameter
and corresponds to temperatures of less hot months, might be attributed to other meteo-
rological conditions/factors, which exist during spring and autumn. For example, wind
mixing is more intense during these seasons and can lead to the release of phosphorus
and nitrogen from the sediments, a process which favors eutrophication [59]. In addition,
based on the sensitivity analysis results, it is concluded that the EC parameter role is not
easy to be understood, since it is associated with complex processes such as wind mixing
and inorganic dissolved matter inflow from the lake’s catchment, e.g., surface runoff and
river inflow [60]. Nevertheless, the ANN managed to associate the increased levels of EC
with elevated algal production, which possibly shows the effect of increased nutrients on
the algal productivity.

According to the ANN’s results, the reduction of TP is associated with a reduction of
Chl-a levels and vice versa. This modelling scenario, which is related to TP perturbations,
is supported by the fact that strong relationships between increased phosphorus loadings
and eutrophication have been shown in freshwater ecosystems [61]. The second scenario,
which is related with DIN perturbations, also showed a reduction to Chl-a levels when the
DIN parameter decreased. The DIN parameter has similar behavior with the TP parameter;
therefore, any increase of nitrogen levels is associated with increased algal productivity [62].
The linkage between nutrient loading and eutrophication is often non-linear, because of the
complex mechanisms by which hydrological and meteorological conditions interfere with
the nutrients [63]. Based on this statement, the non-proportional increase/decrease for
Chl-a levels in regard to the associated nutrient perturbations that were observed during
the sensitivity analysis can be justified.

Based on the ANN sensitivity analysis results, the TP parameter has greater impact on
algal production than the DIN parameter. The stronger impact of TP compared to the DIN
parameter is more noticeable when TP concentration increases. Nevertheless, DIN’s role
should not be underestimated in eutrophication management/control, since it is observed
that high DIN levels are related with continued serious eutrophication problems caused
by cyanobacterial blooms [64]. Even though the role of nitrogen as a limiting factor is
debated, it has an important role in shallow polymictic eutrophic lakes [65]. The ANN
simulation scenarios regarding the DIN parameter clearly showed that DIN additions into
the lake are promoting algal production, while DIN level decrease is related with Chl-a
level decrease. Therefore, it is recommended that the lake’s nutrient management should
not only be focused on phosphorus, but on nitrogen as well. Additionally, it is documented
that the simultaneous decrease of both nutrients has a bigger reduction of Chl-a levels
and is related with the synergistic effect of DIN and TP parameters [17]. In the case of
synergistic/combined perturbations of nutrients, a similar behavior with the case of only
one nutrient fluctuation/perturbation is observed. Yet, the combined reduction of DIN and
TP leads to even lower levels of Chl-a than the single reduction of DIN or TP concentration.
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According to several studies eutrophication levels in lakes are linked with both nutrients
(nitrogen and phosphorus) and high levels of nutrients results in high levels of Chl-a [13].

Even a small reduction of phosphorus and nitrogen concentration into Lake Mikri
Prespa has a beneficial effect on lake trophic status, while adding nutrients into the Lake
promotes eutrophication. A recent study by Verstijnen et al. [66] stated that Lake Mikri
Prespa is very sensitive to nutrient increase, and that even small additions of nutrients
derived from waterbirds are associated with cyanobacterial blooms. The ANN clearly
captured this relationship for both nutrients (DIN and TP) and how prone Mikri Prespa
Lake is to eutrophication. In conclusion, the created ANN is a reliable predictor for Chl-
a levels and can successfully investigate different management scenarios related with
nutrient control. However, since the data set is small, the generalization ability of the
ANN might not be sufficient for new data related with abnormal/unusual conditions (e.g.,
huge increase of a nutrient). Based on this limitation, the created management scenarios
were restricted to parameter’s fluctuations up to ± 10. Therefore, the re-calibration of the
model when more data is available is recommended in order to extend its capabilities as a
management tool.

Generally, the LOO cross validation method is considered to be the best option for
modelling small datasets with the use of ANNs. However, some concerns related with
the effect of overtraining might exist. The LOO cross validation provides the benefit of
having more data available for training, but at the same time the data set that is used
for validation becomes smaller and the evaluation becomes less reliable and robust. This
issue is compensated by the fact that more training and validations are applied. Of course,
the LOO cross validation should not be limited to ANN-based applications, but it can be
used for modelling with other machine learning methods such as linear regression and
random forests.

5. Conclusions

Data scarcity is a very common issue observed when modelling limnological data
sets with the use of ANNs. In the case of Lake Mikri Prespa, a relatively small number of
observations (n = 89) was used to develop an ANN and model the trophic status of the Lake
with the use of k-fold cross validation. For that purpose, several k values were examined.
The LOO cross validation produced the better outputs, while the computational time that
was needed was relatively low. Therefore, LOO cross validation is recommended for the
needs of this eutrophication-related modelling study. Additionally, the created ANN was
a good Chl-a parameter predictor and can serve as a water management tool. Based on
sensitivity analysis, the ANN examined the scenarios when the nutrients (phosphorus and
nitrogen) levels into the lake increased or decreased. In the case of nutrient increase, the
model clearly showed that Lake Mikri Prespa’s water quality declines even more. On the
other hand, when the nutrient levels are decreased the ANN model clearly showed that
algal production reduced.
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Abstract: Stuckenia pectinata, a submerged macrophyte of eutrophic to hyper-eutrophic fresh to
brackish waters, faces management and climatic-forced increment of salinity and irradiance in
Vistonis Lake (Greece) that may endanger its existence and the ecosystem functioning. A pre-
acclimated clone under low irradiance and salinity conditions was treated to understand the effects of
high salinity and irradiance on a suite of subcellular (chlorophyll a fluorescence kinetics and JIP-test,
and chlorophyll content) to organismal (relative growth rate—RGR) physiological parameters. The
responses to high irradiance indicated the plant’s great photo-acclimation potential to regulate the
number and size of the reaction centers and the photosynthetic electron transport chain by dissipation
of the excess energy to heat. A statistically significant interaction (p < 0.01) of salinity and irradiance
on Chl a, b content indicated acclimation potential through adjusting the Chl a, b contents. However,
no significant (p > 0.05) difference was observed on Chl a/b ratio and the RGR, indicating the species’
potential to become acclimatized by reallocating resources to compensate for growth. Thus, the
regulation of photosynthetic pigment content and photosystem II performance consisted of the
primary growth strategy to present and future high salinity and irradiance stressful conditions due
to eutrophication management and the ongoing climatic changes.

Keywords: brackish water; factorial experiment; JIP-test; relative growth rate; repeated ANOVA; RDA

1. Introduction

Submerged macrophytes are aquatic plants of remarkable phenotypic plasticity [1]
that grow across contrasting conditions, from pristine to degraded lakes, estuaries, and
coastal lagoons [2,3]. They provide food and habitat for invertebrates, larvae and juvenile
fishes [4]. They also play a crucial role in water quality improvement by stabilizing the
sediments [2]. In addition, they take up excess nitrogen and phosphorus and excrete allelo-
pathic substances [5], contributing to reductions in nuisance algal blooms [6]. Therefore,
they are valuable components maintaining the functioning of ecosystems [7,8].

Among the submerged macrophytes, Stuckenia pectinata (L.) Börner (syn. Potamogeton
pectinatus L.) is a common species of several eutrophic to hyper-eutrophic fresh to brackish
waters worldwide [9–11]. Because the plant is food for waterfowl [12], it spreads over long
distances [13] and in different environments, where it survives through acclimatization by
means of plastic phenotypic responses [1,14,15] and genetic differentiation [16,17].

Stuckenia pectinata is a shade-adapted plant [18] with a relatively low irradiance
optimum (50–60 µmol photons m−2 s−1) for photosynthesis [1,18]. Under highly turbid
eutrophic conditions, it lengthens its bundles in the upper water layer without exposing
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them to full sunlight [10,19] to avoid excess light. Thus, this species has been indicated as a
bioindicator of moderately turbid-degraded conditions in European lakes [20].

There are conflicting results regarding the effects of salinity on S. pectinata physiology,
especially regarding the upper tolerance limit, which is reported from 4.2 to 20.1 [21] or
less than 30 [22]. Rodríguez-Gallego et al. [23] reported a salinity tolerance range from
0 to 16.5, while a salinity tolerance range from ca. 5 to 18 has been also reported [24].
van Wijck et al. [25] showed successful plant growth at salinity 0 to 6, while at salinity 9,
a decrease in biomass production was observed. Borgnis and Boyer [3] showed that S.
pectinata showed four times the biomass production and ten times the number of shoots
at salinity values between 0 and 5. While at salinity 10, the plant had double biomass
production, at a salinity of 15, it could survive, but with obvious aging. At salinities 0 and
5, it showed the maximum growth and reproduction rate, while at salinities 10 and 15,
there was no flowering.

In a recent study, Hu et al. [26] indicated that salinity 12 and 18 restricted light conver-
sion efficiency at high irradiance (340 µmol photons m−2 s−1), and reduced chlorophyll a
(Chl a) content, while increasing heat dissipation in S. pectinata. However, there is limited
information regarding the effects of high irradiance on the growth and photosynthesis of
S. pectinata, especially under fluctuating salinity conditions.

Vistonis is one of the largest Greek shallow lakes (2 m mean depth, ca. 45 km2 area)
suffering occasionally from high turbidity (10 July 2014: light attenuation coefficient-k =
1.05−6.77 m−1) and eutrophic to hypertrophic waters (10 July 2014: Chl a = 9.1—240.5 µg/L,
total dissolved inorganic nitrogen = 3.35—32.18 µmol/L, soluble reactive phosphorus =
0.16—2.15 µmol/L). Such conditions often favor cyanobacterial blooms, leading to anoxia
and massive fish kills [27,28]. Under such conditions, a strong irradiance gradient formed,
such that the 1% level of incident photosynthetically active radiation (PAR), often taken as
the limit for macrophyte growth, penetrated from 2.19 to 0.61 m deep [29]. For water quality
management, the Lake of Vistonis is connected through short channels to nearby lagoons
and by a long channel with the Vistonikos Gulf (Northern Aegean Sea). So, its salinity
fluctuates between 0 (north part) and 5.9, sometimes reaching 14 [30] and, occasionally, at
deep levels, as much as 34 (July 2020; south part), with an increasing tendency. Climatic-
forced, sea-level rise may increase the inflow of clear seawater in the lake, increasing the
salinity and light availability and leading to benthic vegetation changes that will endanger
the existing ecosystem services [31].

Chlorophyll a fluorescence analysis consists of an easy, non-destructive plant method
which allows the estimation of photosynthetic physiology under different environmental
stress conditions [32]. The OJIP polyphasic Chl a fluorescence rise kinetics plotted on
logarithmic time-scale (JIP-test) is a tool to assess the photochemical quantum yield of
PSII photochemistry and electron transport activity [33–35]. Some of the environmental
stressors that caused malfunctions in the plant’s physiology are irradiance and salinity,
and JIP-test has been used to assess the plant’s photosynthetic performance [36,37]. For
example, high irradiance stress has been referred to as increasing the absorption flux (ABS),
the trapping flux (TR), and the dissipation energy flux (DI) per reaction center (RC) in
Lemna minor L. [38]. On the other hand, under high salinity conditions, ions enter the cell,
disrupting the electron transport chain at the donor and acceptor sides of PSII [39].

Energy generated by photosynthesis is allocated to growth, reproduction, and de-
fense [40]. However, as plants experience stressful conditions, to ensure their survival, they
may be acclimatized by reallocating resources toward increased growth or alterations in
morphology [41]. There is a need for an integrated (i.e., at different biological levels) study
to assess plant response to stress [42].

This study aimed to investigate S. pectinata’s responses under medium (MI) and
high irradiance (HI) and medium (MS) and high salinity (HS) stress, representative of
existing and future water conditions of the brackish-south part of Vistonis Lake (Greece).
The temperature was regulated to early-summer conditions and the nutrient levels to
eutrophic conditions. A clone pre-acclimated for two years under low irradiance and
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salinity laboratory conditions was used to avoid seasonality or acute effects on species
physiology. We applied a suite of physiological parameters representative of subcellular
(Chl a fluorescence and Chl content) to organismal (growth) processes. The results will
be valuable (a) in gaining an insight into on the photosynthetic and growth responses
that allow the species to inhabit the brackish and clear water depths, (b) in contributing
a management strategy to protect the freshwater habitats of the lake under the ongoing
climatic changes.

2. Materials and Methods
2.1. Plant Material

A S. pectinata strain isolated from Vistonis Lake (Greece) was cultivated for two years
in a PVC tank with tap water in the laboratory at 15–18 ◦C and 30 µmol photons m−2 s−1,
14 h light per day. Twenty-four apical shoots of the plant were randomly chosen for the
experiment and pre-acclimated for 14 days at increased salinity from 4 to 19 (1 salinity
degree per day), in 2 L aquariums at 21–22 ◦C and 60 µmol photons m−2 s−1, 14 h light
per day. The eutrophic medium was renewed once a week, and it consisted of artificial
aerated medium (60 µmol/L N-NO3

− and 2 µmol/L P-PO4
−) produced by Münster sea

salt (Meersalz) diluted in resin-filtered tap water (<15 µS cm−1).

2.2. Experimental Design and Treatments

A factorial experiment (n = 6) was carried out in culture chamber at 24–26 ◦C and
lasted ten days in which combined effects of salinity (two levels: 9 and 19) and irra-
diance (two levels: 100 and 400 µmol photons m−2 s−1, MI and HI, respectively) on
the pre-acclimated S. pectinata were tested. There were four experimental conditions.
C1: salinity 9 and irradiance 100 µmol photons m−2 s−1, C2: salinity 19 and irradiance
100 µmol photons m−2 s−1, C3: salinity 9 and irradiance 400 µmol photons m−2 s−1, C4:
salinity 19 and irradiance 400 µmol photons m−2 s−1. Irradiance was provided for 14 h
per day by LED Fyto-Panels (81 × 27 cm; Photon Systems Instruments, Drasov, Czech
Republic). Two hundred milliliters of the medium was renewed every day inside small
glass jars covered by transparent glass (2 mm) to avoid evaporation. All glass jars used for
the experiment were placed on shakers to avoid medium stratification.

2.3. Chlorophyll-a Fluorescence Measurements

Chlorophyll a fluorescence measurements were carried out on experimental days 1, 5,
and 8. The polyphasic Chl a fluorescence kinetics (OJIP) were measured using a continuous
excitation plant efficiency analyzer (Handy PEA; Hansatech Instruments Ltd., Norfolk, UK).
Before the measurement of each specimen, a dark adaptation of 15 min was conducted.
Plant leaves were illuminated with continuous red light (wavelength in peak 650 nm)
from three diodes of 3.000 µmol photons m−2 s−1. The fast fluorescence rise kinetics was
recorded from 10 µs to 1 s. The fluorescence intensity at 20 µs, 50 µs, 100 µs 300 µs, 2 ms,
and 30 ms was measured, and the maximum fluorescence was extracted. Several basic
parameters were calculated from the extracted data, and the basic parameters derived by
the JIP-test models included nine biophysical parameters (Table 1).
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Table 1. Glossary, definition of terms and formulae of the JIP-test used for the analysis of the Chl a fluorescence transients
OJIP [35,43].

DATA EXTRACTED FROM THE RECORDED FLUORESCENCE TRANSIENT OJIP

Ft (or, simply, F) fluorescence at time t after onset of actinic illumination
F20µs minimal reliable recorded fluorescence, at 20 µs
F50µs fluorescence at 50 µs (for the calculation of the slopes)
F100µs fluorescence at 100 µs
F300µs fluorescence at 300 µs
FJ ≡ F2ms fluorescence at the J-step (2 ms) of OJIP
FI ≡ F30ms fluorescence at the I-step (30 ms) of OJIP
FP maximal recorded fluorescence, at the peak P of OJIP

BASIC PARAMETERS CALCULATED FROM THE EXTRACTED DATA

F0 ∼= F20µs
fluorescence when all PSII RCs are open (∼= to the minimal reliable recorded
fluorescence)

FM (= FP) maximal fluorescence, when all PSII RCs are closed
(= FP when the actinic light intensity is above 500 [µmol(photon) m−2 s−1])

Vt ≡ (Ft − F0)/(FM − F0) relative variable fluorescence at time t
M0 and M0

’ ≡ [(∆F/∆t)0]/(FM − F0) approximated initial slopes (in ms−1) of the Vt = f(t) kinetics

M0 ≡ 4 × [( F300µs − F50µs)/(FM − F0)]/(∆t)0
M0

’ ≡ 20 × [( F100µs − F50µs)/(FM − F0)]/(∆t)0

with (∆t)0 = (300 − 50) µs = 0.25 ms
with (∆t)0 = (100 − 50) µs = 0.05 ms

BIOPHYSICAL PARAMETERS DERIVED FROM THE BASIC PARAMETERS BY THE JIP-TEST

Quantum yields and efficiencies/probabilities

ϕPt ≡ TRt/ABS = [1 − (Ft/FM)] = ∆Ft/FM
quantum yield for primary photochemistry, leading to QA reduction (i.e.
trapped energy flux TR per absorption flux ABS), at any time t

ϕP0 ≡ TR0/ABS = [1 − (F0/FM)] maximum quantum yield for primary photochemistry
ϕE0 ≡ ET0/ABS = [1 − (F0/FM)] × (1 − VJ) quantum yield for electron transport (ET) further than QA

−

ϕR0 ≡ RE0/ABS = [1 − (F0/FM)] × (1 − VI)
quantum yield for reduction of end electron acceptors (RE) at the PSI acceptor
side

ψE0 ≡ ET0/TR0 = (1 − VJ) efficiency/probability that an electron moves further than QA
−

δR0 ≡ RE0/ET0 = (1 − VI)/(1 − VJ)
efficiency/probability that an electron from the intersystem electron carriers is
transferred to reduce end electron acceptors at the PSI acceptor side

Specific energy flux (per active, i.e., per QA-reducing PSII reaction centre - RC), in ms−1

TR0/RC = M0 × (1/VJ) trapped energy flux, per RC
DI0/RC = ABS/RC − TR0/RC specific energy flux for dissipation per RC
Density of active RCs
RC/ABS = (TR0/ABS) × (TR0/RC)−1 RCs per PSII antenna Chl a
ABS/RC = M0 × (1/VJ) × (1/ϕP0) absorption flux (exciting PSII antenna Chl a molecules) per RC (also used as a

unit-less measure of PSII apparent antenna size)
Energetic connectivity of PSII units

M0/M0
’ grouping or connectivity among PSII units (the higher is the ratio indicate the

less of connectivity)

2.4. Chlorophyll (a, b) Content

Chlorophyll a and Chl b content was determined at the end of the experiment (day
10th), according to [44]. The chlorophyll concentration was expressed as mg/g wet biomass
(wb) of a leaf. The extraction was carried out in a dark room using 10 mL of 90% acetone
and clear sand and the centrifugation lasted 10 min at 1500 rpm. Specimens’ absorbance
was measured at the wavelengths of 647, 664, and 750 nm using a Shimadzu UV-1800
spectrophotometer, Kyoto, Japan. The chlorophyll content was calculated according to the
following equations: Chl a (µg mL−1) = 11.93E664 − 1.93E647, Chl b (µg mL−1) = 20.3E647 −
4.68E664, where E = corrected absorbency (absorbency at the wavelength − absorbency at
750 nm). The final chlorophyll content was expressed as mg Chl g−1 wb using the volume
of acetone used to extract the pigments, divide by the wb of the leaf.
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2.5. Relative Growth Rate

The relative growth rate (RGR) was calculated as RGR (day−1) = (LnWBt2 − LnWBt1)/(t2
− t1), where WBt2 was the wet biomass on the experimental day 10th, and WBt1 was the
wet biomass on the experimental day 1st.

3. Statistical Analysis

All statistical analyses were conducted using the software STATISTICA for Windows
(version 7.1; StatSoft and TIBCO Software Inc., Palo Alto, CA, USA). Data were presented
as mean (n = 6) ± standard error (SE) for each sample. Normality was tested by the Shapiro–
Wilk’s W test, while Levene’s test tested the homogeneity. The effects of salinity (fixed factor,
two levels: 9 and 19) and irradiance (fixed factor, two levels: 100 and 400 µmol photons
m−2 s−1) on JIP-test parameters were analyzed with the parametric repeated measures
analysis of variance (two-way repeated-measures ANOVA) and on chlorophyll content
and RGR with parametric factorial analysis of variance (two-way ANOVA). The multiple
comparisons were tested by Duncan’s post hoc test. In the present study, samples did not
have normal distribution and homogeneity of variance; thus, the significance level (p-value)
was defined as 0.01 [45]. Redundancy analysis (RDA) was used to quantify the irradiance
and salinity effects on the variation of chlorophyll fluorescence (day 8th), chlorophyll
content (day 8th), and RGR (day 10th) parameters using Canoco 5.1 (Microcomputer Power,
Ithaca, NY, USA). Statistical tests were run using the Monte Carlo permutation procedure.

4. Results
4.1. Chlorophyll a Fluorescence Measurements

(a) Normalizations and Subtractions

The chlorophyll a fluorescence polyphasic O-J-I-P kinetics of dark-adapted samples
grown under C1, C2, C3, and C4, for 1, 5, and 8 days are evident in Figure 1. Each kinetic is
the average of six replicates, after each of the kinetics Ft = f(t) was normalized on its initial
value; i.e., the averages are plotted as Ft/F0 = f(t). This normalization was permitted as the
minor variations observed among the raw F20µs values were random and not depending
on the treatment. Hence, the experimental F20µs was reasonably taken as the real F0. The
kinetics demonstrated clearly that high light levels (C3 and C4) result in a pronounced
suppression of the variable fluorescence (Ft − F0) throughout the entire time course of
the 1 s.

(b) The JIP-Test Parameters

The trapped energy flux per RC (TR0/RC) was not affected by irradiance or salinity
and their interaction (Figure 2A, Table S1), but the effect of irradiance was significant on
RCs per PSII antenna Chl a (RC/ABS; p < 0.001, Table S1). Mean RC/ABS values (Figure 2B)
were higher at 100 µmol photons m−2 s−1 (C1, C2) than at 400 µmol photons m−2 s−1 (C3,
C4). The maximum RC/ABS values were observed at C2 and at C1 on the 5th day, while
the minimum values were observed at C3 on the 5th day and at C4 on the 1st day. Post hoc
comparisons (Table S2) showed that RC/ABS values were significantly lower in C3 and C4
than in C1 and C2.
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The effect of irradiance was significant on the light absorption flux of antenna chloro-
phyll molecules per RC (also a measure of PSII apparent antenna size-ABS/RC; p < 0.001,
Table S1). Mean ABS/RC values (Figure 2C) were higher at 400 µmol photons m−2 s−1

(C3, C4) than at 100 µmol photons m−2 s−1 (C1, C2). The maximum values of ABS/RC
were observed at C3 on the 5th day and at C4 on the 1st day, while the minimum values
were observed at C1 on the 5th day and at C2 on the 8th day. Post hoc comparisons
(Table S3) showed that ABS/RC values were significantly lower in C1 and C2 than in C3
and C4 conditions. There was a significant interaction between salinity and treatment time
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on ABS/RC (p < 0.01, Table S1). At salinity 19 (C2, C4), no significant differences were
observed. At 400 µmol photons m−2 s−1 (C3), ABS/RC values increased from the 1st to
the 5th day, but they decreased on the 8th day.

The effect of irradiance was significant on the dissipated energy flux per RC (DI0/RC;
p < 0.001, Table S1). Mean DI0/RC values were higher at 400 µmol photons m−2 s−1 (C3,
C4) than at 100 µmol photons m−2 s−1 (C1, C2). The maximum of DI0/RC were observed
at C3 on the 5th day and at C4 on the 1st day, while the minimum values were observed at
C2 on the 8th day and at C2 on the 1st day. Post hoc comparisons (Table S4) showed that
DI0/RC values were significantly lower in C1 and C2 than in C3 and C4 conditions.

The effect of irradiance was significant on ϕP0, i.e., the efficiency by which PSII
transforms excitation energy to oxido-reduction energy (reduction of the primary electron
quinone acceptor QA to QA

−) (p < 0.01, Table S1). MeanϕP0 values (Figure 3A) were higher
at 100 µmol photons m−2 s−1 (C1, C2) than at 400 µmol photons m−2 s−1 (C3, C4). The
maximum ϕP0 values were observed at C1 on the 1st day and at C2 on the 8th day, while
the minimum values were observed at C3 on the 5th day and at C4 on the 1st day. Post
hoc comparisons (Table S5) showed that ϕP0 values were significantly lower in C3 and C4
than in C1 and C2. There was also a significant interaction between salinity, irradiance and
treatment time on ϕP0 (p < 0.01, Table S1). At salinity 9 and irradiance 400 µmol photons
m−2 s−1 (C3), ϕP0 values decreased on the 5th day, but they partly recovered on the 8th
day. In the other conditions (C1, C3, C4), ϕP0 did not exert significant changes over time.
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The effect of irradiance was significant on the quantum yields for electron transport
to the plastoquinone (PQ) pool (ϕE0; p < 0.01, Table S1). Mean ϕE0 values (Figure 3B)
were higher at 100 µmol photons m−2 s−1 (C1, C2) than at 400 µmol photons m−2 s−1 (C3,
C4). The maximum ϕE0 values were observed at C2 and at C1 on the 1st day, while the
minimum values were observed at C3 on the 5th day and at C4 on the 1st day. Post hoc
comparisons (Table S6) showed that ϕE0 values were significantly lower in C3 and C4 than
in C1 and C2. The effect of treatment time was significant on ϕE0 (p < 0.01, Table S1). ϕE0
values in C3 decreased on the 5th day, but they partly recovered on the 8th day.

The effect of irradiance was significant on the quantum yields for electron transport to
the electron acceptors at the PSI acceptor side (ϕR0; p < 0.01, Table S1). Mean ϕR0 values
(Figure 3C) were higher at 100 µmol photons m−2 s−1 (C1, C2) than at 400 µmol photons
m−2 s−1 (C3, C4). The maximum ϕR0 values were observed at C2 on the 1st day and at C2
on the 5th day, while the minimum values were observed at C3 and at C4 on the 5th day.
Post hoc comparisons (Table S7) showed that ϕR0 values were significantly lower in C3
and C4 than in C1 and C2. There was also a significant interaction between irradiance and
treatment time on ϕR0 (p < 0.01, Table S1). At irradiance 400 µmol photons m−2 s−1 (C3,
C4), ϕR0 decreased from the 1st to the 5th day, but they partly recovered on the 8th day,
while at 100 µmol photons m−2 s−1 (C1, C2), ϕR0 decreased over time.

The effect of irradiance was significant on the efficiency/probability that an electron
moves further than QA

− (ψE0; p < 0.01, Table S1). Mean ψE0 values (Figure 4A) were higher
at 100 µmol photons m−2 s−1 (C1, C2) than at 400 µmol photons m−2 s−1 (C3, C4). The
maximum ψE0 values were observed at C1 on the 1st day and at C2 on the 1st day, while
the minimum values were observed at C3 on the 5th day and at C4 on the 5th day. Post
hoc comparisons (Table S8) showed that ψE0 values were significantly lower in C3 and C4
than in C1 and C2. The effect of treatment time was significant on ψE0 (p < 0.01, Table S1).
ΨE0 values decreased on the 5th day, but they partly recovered on the 8th day.

The effect of irradiance was significant on the efficiency/probability that an electron
from the intersystem electron carriers is transferred to reduce end electron acceptors at
the PSI acceptor side (δR0; p < 0.01, Table S1). Mean δR0 values (Figure 4B) were higher
at 400 µmol photons m−2 s−1 (C3, C4) than at 100 µmol photons m−2 s−1 (C1, C2). The
maximum δR0 values were observed at C4 on the 1st day and at C3 on the 5th day, while
the minimum values were observed at C2 and at C1 on the 8th day. Post hoc comparisons
(Table S9) showed that δR0 values were significantly higher in C3 and C4 than in C1 and C2.

The effect of irradiance was significant on the connectivity of PSII photosynthetic units
(M0’/M0; p < 0.01, Table S1). Mean M0’/M0 values (Figure 4C) were higher at 400 µmol
photons m−2 s−1 (C3, C4) than at 100 µmol photons m−2 s−1 (C1, C2). The maximum
M0’/M0 values were observed at C3 and at C4 on the 5th day, while the minimum values
were observed at C1 on the 1st day and at C2 on the 8th day. Post hoc comparisons
(Table S10) showed that M0’/M0 values were significantly lower in C3 and C4 than in C1
and C2. Differences due to salinity and time are found not to be statistically significant.
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4.2. Chlorophyll Content

There was a significant interaction between irradiance and salinity on leaf Chl a and
Chl b content (p < 0.001, Table S11). Mean Chl a and Chl b values are shown in Figure 5A,B
and were maximal at C3 and minimal at C1. Post hoc comparisons showed that Chl a
(Table S12) and Chl b (Table S13) values under C1 and C4 were significantly lower than
those under C3. There was not any significant effect of irradiance and salinity on Chl a/b
ratio (Table S2). Mean values of the Chl a/b ratio are shown in Figure 5C. The maximum
mean Chl a/b values were at C2 and the minimum values were at C4.
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4.3. Relative Growth Rate

There was no significant effect of salinity and irradiance on RGR (Table S14). Mean
RGR values (Figure 6) were maximal at C3 and minimal at C2.
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4.4. Redundancy Analysis (RDA)

Analysis of the correlations between the physiological parameters and stress factors
(irradiance and salinity) was performed using an RDA forward selection model (Figure 7).
According to the RDA results, irradiance was the only statistically significant factor that
added 98.2% (Monte Carlo permutation test: pseudo F = 17.4, p = 0.001) to the explanatory
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power. The first axis accounted for 44.2% of the variation (Monte Carlo permutation test:
F = 0.88) and was correlated with the irradiance, while the second axis accounted for 0.38%
of the variation. The third axis accounted for 9.2% of the variation, while the fourth axis
accounted for 3.9% of the total variation. While DI0/RC, ABS/RC, δR0 and M0’/M0 were
positively correlated with Axis 1, ψE0, ϕE0, ϕP0, and RC/ABS were negatively correlated
(Table 2). The experimental points were distributed rather homogeneously on the PC1/PC2
plane, with PC1 to clearly separate low light from high light conditions. This indicates
that the irradiance was by far the most important factor affecting the studied physiological
parameters of S. pectinata.
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Figure 7. Triplot from the redundancy analysis (RDA) that shows the relationships between the
JIP-test parameters, chlorophyll content and relative growth rate (RGR) parameters of Stuckenia
pectinata. The length of the arrows indicates the strength of representation and contribution of each
parameter to the PC axes. MI = moderate irradiance, HI = high irradiance, 9 and 19 correspond to
salinity values. For further information, see Tables 1 and 2. The first axis accounted for 44.2% of the
variation, while the second axis accounted for 0.38%.
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Table 2. Loading scores of JIP-test, chlorophyll content and relative growth rate (RGR) parameters in
the redundancy analysis (RDA) in temperate and subtropical forests. The correlation coefficients (ρ)
are shown in the matrix. For further information, see Table 1. Axis = RDA axis.

Axis 1 Axis 2 Axis 3 Axis 4

ϕP0 −0.829 −0.165 −0.521 0.011

TR0/RC 0.214 0.468 0.025 0.220

DI0/RC 0.881 0.177 0.423 0.023

RC/ABS −0.803 −0.279 −0.471 −0.052

ABS/RC 0.811 0.266 0.492 0.044

M0’/M0 0.750 0.301 0.398 0.198

ϕR0 −0.386 −0.297 −0.235 −0.699

ϕE0 −0.889 −0.167 −0.398 −0.066

ψE0 −0.892 −0.168 −0.334 −0.101

δR0 0.827 0.026 0.350 −0.345

Chl a 0.331 −0.936 0.042 0.021

Chl b 0.410 −0.896 0.135 0.026

Chl a/b −0.365 −0.037 −0.379 −0.021

RGR 0.285 −0.076 0.136 −0.768

5. Discussion
5.1. Irradiance Effects

The irradiance significantly affected the photosynthetic performance from the two
factors tested, but not the chlorophyll content and RGR of S. pectinata (Figure 7). Accli-
mation of plants to HI includes regulation of (a) the number of the reaction centers and
the size of their light-harvesting antennae, (b) the photosynthetic electron transport chain
by dissipation of the excess energy to heat, and (c) the stoichiometry of photosynthetic
components such as chlorophylls [46–48].

Under HI conditions (C3, C4), the density of active RCs (RC/ABS) per PSII, i.e.,
the number of QA-reducing RCs per PSII antenna Chl, as a result of partial inactivity of
RCs [49], decreased. This result indicates that some active RCs were converted into heat
sinks, enhancing the energy dissipation, as also indicated by DI0/RC. DI0/RC represents
the total dissipation of untrapped excitation energy from all RCs concerning the number
of active RCs [35]. As the number of inactive centers under HI increased (Figure 2B),
the DI0/RC ratio also increased (Figure 2D) because the inactive centers could not trap
the photon, so the number of untrapped photons increased. Thus, the heat dissipation
of excessive excitation energy slowed the overreduction of the photosynthetic electron
transfer chain and minimized the potential photooxidative damage. On the other hand,
an increase in the absorbance flux per reaction center (ABS/RC) value, as a measure for
the average PSII antennae size [49], indicated overloading of PSII RC with electrons [38].
Although, in general, a smaller photosystems antenna size is reported under high light [50],
we speculate that this is related to a Chl content increase, at least under the moderate
salinity condition (C3).

HI affected negatively the parameters related to yields (ϕP0, ϕE0, and ϕR0) and
efficiency/probability (ψE0) (p < 0.01), indicating that photoinhibition on PSII activity
occurred of S. pectinata that considered as a positive acclimation for the downregulation of
photosynthetic excitation pressure [51,52]. HI was also observed to reduce the maximum
quantum yield in other plants [53,54]. Hu et al. [26] also showed that HI induced the
decrease in effective quantum yield of PSII in S. pectinata. In agreement, TR0/RC represents
the maximal rate by which an exciton is trapped by the RC, resulting in the reduction of
QA

− [55], which remained unaffected with all the treatments (Figure 2A). These results
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confirm that S. pectinata seemed to exhibit a photo acclimation rather than the photodamage
of the reaction center complexes when exposed to HI.

Among the numerous biophysical parameters derived by the JIP-test, ϕR0 is the-
oretically related to the energy supply from PSI towards the Calvin cycle, which is by
definition the quantum yield of this supply. Indeed, there was a weak correlation ϕR0 with
RGR (Table 2, RDA axis 4th). However, the actual energy supply to the Calvin cycle is
affected by several other factors in addition to ϕR0, and RGR does not depend only on the
activity of the Calvin cycle. Thus, in this study, HI did not impair the RGR. As a result,
the plants could relocate resources to compensate for any potential costs associated with
photoinhibition, repair of photosystem II, and processes of high-light acclimation.

On the other hand, δR0 increased when S. pectinata was exposed to HI, suggesting
an improvement in the efficiency of electron transport, and therefore, energy, from plas-
toquinol (PQH2) via cytochrome b6/f to the PSI end electron acceptors (plastocyanin,
ferredoxin) [56]. Thus, overexcitation energy pressure in PSII can be alleviated despite not
increasing the sum of energy flux into PSI acceptors. Indeed, δR0 values increased during
the first steps of stress, and only severe stress caused depletion of the efficiency of electron
transport up to end electron acceptors of PSI [57]. The result was consistent with those in
the stems of Hexinia polydichotoma. It suggests that the electron transport pattern related to
PSI can play an important role in the photoprotection of PSII in adverse conditions [58].

Acclimation to HI was also expressed by a decrease in the energetic connectivity of PSII
photosynthetic units compared to moderate irradiance treated samples (C1, C2). It is worth
remembering that, in separate units, the initial fluorescence rise is exponential and that
the bigger the degree of connectivity, the more the curves deviate towards sigmoidal [35].
Though none of the kinetics in the present study appear sigmoidal, the deviation from
exponential could not be excluded, and it was evaluated by comparing M0’ with M0 (see
Table 1) since the higher is their ratio, the more towards the exponential curve is the
fluorescence rise.

5.2. Interactive Effects between Irradiance and Salinity

The chlorophyll content is associated with acclimation to different irradiance levels.
HI or sun-grown plants contain lower chlorophyll than low light-grown or shade plants,
which is considered a long-term regulation mechanism that controls light absorption
capacity [59]. The results reveal that Chl a and Chl b content in S. pectinata increased
significantly (p < 0.01) under HI and low salinity (Figure 5, Table S2), inconsistent with
the general trend. Hu et al. [26] and Pilon and Santamaría [1] showed that the total
chlorophyll concentration of S. pectinata was higher at low irradiance, which resulted in
higher photosynthetic performance. Obviously, the HI condition used in this study was
not too high to make the plants unable to produce more chlorophyll. This result is in
line with a previous study focusing on Zostera marina (L) responses to light stress applied
within controlled laboratory conditions [60]. Hu et al. [26] also noticed that HS and HI
reduced (p < 0.001) the Chl a content in S. pectinata, in agreement with the results of this
study, where Chl a content at HI and HS was lower (p < 0.01) than HI and MS.

The Chl a/b ratio indicates the degree of sun/shade acclimation and the structure of
the photosynthetic apparatus to improve light capture [61,62]. Chl a/b ratio decreases under
low irradiance conditions because the plants develop bigger light-harvesting complexes
(LHCs). Both Chl a and Chl b are found in LHCs, yet only Chl a is found in the reaction
centers. As a result, bigger LHCs as a response to low light levels lead to increments of both
Chl a and Chl b; still, the overall Chl a/b ratio drops as there is no increase in the number of
Chl a molecules forming the reaction centers of the photosystems. This pattern was not
observed in our study, where the Chl a/b ratio remained constant under all treatments, as in
the studies of [38,63] regarding the species of Lemna. Accordingly, the dissipation of energy
became extremely important, reducing the risk of photoinhibition (see above). In any case,
plants had a light-harvesting antenna size (mean Chl a/b ratios < 6.5) not susceptible to
HI [64]. The absence of significant changes in the Chl a/b ratio under irradiance stress also
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revealed that the irradiance levels were adequate for the plant’s growth throughout the
experiment [65]. It is well-known that under stressful conditions, the plant may reallocate
resources toward increased growth or alterations in morphology at the expense of defensive
compounds and reproductive structures [41].

5.3. Interactive Effects with Time

Photo-acclimation corresponds to different processes involving many cellular compo-
nents and occurring over a broad range of time scales, from seconds to days. This study
focused on long-term photo acclimation (days) monitored by changes in the number and
size of the reaction centers and the photosynthetic electron transport chain. Changes within
the eight days of the experiment duration were noticed in all measured parameters but
statistical changes in the parameters related to yields (ϕP0, ϕE0, and ϕR0) and in DI0/RC.
Besides regulation of irradiance as discussed above, ϕP0 and DI0/RC acclimation is also
affected by salinity, indicating that the photosynthetic apparatus could cope with salinity
stress, and the plant was tolerant within the range from 9 to 19. The great range of tolerance
of S. pectinata to salinity (9–18) has been reported by other studies [3,23,24]. Hu et al. [26]
also reported that PSII units and electron flow were not influenced under salinity stress.

5.4. Stuckenia pectinata in Vistonis Lake

Ruppia maritima L. is a submerged macrophyte that survives in brackish estuarine and
coastal lagoon waters near Vistonis Lake. Following the scenario of the replacement of
S. pectinata by R. maritima due to sea level and salinity rise, it seems the lower biomass which
would be available to the overwintering waterfowl at Vistonis will impact the structure
and function of higher trophic levels [66]. However, based on this study, that is a not
near-future scenario as the Vistonis S. pectinata clone tolerated salinity of at least up to 19
and can occasionally survive salinity increases up to 34. High tolerance was also confirmed
by the RGR but evidenced a tendency of a decrease at a salinity of 19 (Figure 6). This is a
topic that should be further investigated in the future through long-term experiments.

6. Conclusions

This study investigates the correlations among parameters representing processes of
two different biological levels, from subcellular (photosynthetic) to organismal (growth). It
is now clear that the submerged macrophyte S. pectinata had great acclimation potential to
present and future stressful irradiance and salinity conditions in hypertrophic Vistonis Lake.
Such physiology might also be of great importance for other environmental disturbances,
such as heavy metals. However, further research on the role of other abiotic factors, such
as temperature and different nutrient forms, is needed to better determine how climate
change will influence S. pectinata’s abundance. In addition, other species aspects, such
as morphology and reproduction, should be further investigated in the future in long-
term experiments.
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pectinata. Table S5. Duncan’s post hoc test for ϕp0 in Stuckenia pectinata. Table S6. Duncan’s post hoc
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38. Lepeduš, H.; Vidaković-Cifrek, Ž.; Šebalj, I.; Antunović Dunić, J.; Cesar, V. Effects of low and high irradiation levels on growth
and PSII efficiency in Lemna minor L. Acta Bot. Croat. 2020, 79, 185–192. [CrossRef]

39. Parihar, P.; Singh, S.; Singh, R.; Singh, V.P.; Prasad, S.M. Effect of salinity stress on plants and its tolerance strategies: A review.
Environ. Sci. Pollut. Res. 2015, 22, 4056–4075. [CrossRef] [PubMed]

40. Tuller, J.; Marquis, R.J.; Andrade, S.M.M.; Monteiro, A.B.; Faria, L.D.B. Trade-offs between growth, reproduction and defense in
response to resource availability manipulations. PLoS ONE 2018, 13, 1–12. [CrossRef]

41. Gleeson, S.K.; Tilman, D. Plant allocation and the multiple limitation hypothesis. Am. Nat. 1992, 139, 1322–1343. [CrossRef]
42. Schubert, N.; Freitas, C.; Silva, A.; Costa, M.M.; Barrote, I.; Horta, P.A.; Rodrigues, A.C.; Santos, R.; Silva, J. Photoacclimation

strategies in northeastern Atlantic seagrasses: Integrating responses across plant organizational levels. Sci. Rep. 2018, 8, 1–14.
[CrossRef]

43. Tsimilli-Michael, M.; Strasser, R.J. In vivo assessment of stress impact on plant’s vitality: Applications in detecting and evaluating
the beneficial role of mycorrhization on host plants. Mycorrhiza 2008, 679–703. [CrossRef]

44. Granger, S.; Lizumi, H. Water quality measurement methods for seagrass habitat. Glob. Seagrass Res. Methods 2001, 393–406.
[CrossRef]

45. Underwood, A.J. Experiments in Ecology; Cambridge University Press: Cambridge, UK, 1996.
46. Owens, T.G.; Falkowski, P.G.; Whitledge, T.E. Diel periodicity in cellular chlorophyll content in marine diatoms. Mar. Biol. 1980,

59, 71–77. [CrossRef]
47. Ruban, A.V.; Berera, R.; Ilioaia, C.; Van Stokkum, I.H.M.; Kennis, J.T.M.; Pascal, A.A.; Van Amerongen, H.; Robert, B.; Horton, P.;

Van Grondelle, R. Identification of a mechanism of photoprotective energy dissipation in higher plants. Nature 2007, 450, 575–578.
[CrossRef] [PubMed]

48. Dietz, K.J. Efficient high light acclimation involves rapid processes at multiple mechanistic levels. J. Exp. Bot. 2015, 66, 2401–2414.
[CrossRef]

49. Stirbet, A. Govindjee On the relation between the Kautsky effect (chlorophyll a fluorescence induction) and Photosystem II:
Basics and applications of the OJIP fluorescence transient. J. Photochem. Photobiol. B Biol. 2011, 104, 236–257. [CrossRef] [PubMed]

50. Wientjes, E.; Van Amerongen, H.; Croce, R. LHCII is an antenna of both photosystems after long-term acclimation. Biochim.
Biophys. Acta Bioenerg. 2013, 1827, 420–426. [CrossRef] [PubMed]

51. Raven, J.A. The cost of photoinhibition. Physiol. Plant. 2011, 142, 87–104. [CrossRef] [PubMed]

39



Water 2021, 13, 1706

52. Jiang, H.X.; Chen, L.S.; Zheng, J.G.; Han, S.; Tang, N.; Smith, B.R. Aluminum-induced effects on Photosystem II photochemistry
in Citrus leaves assessed by the chlorophyll a fluorescence transient. Tree Physiol. 2008, 28, 1863–1871. [CrossRef]

53. Broetto, F.; Monteiro Duarte, H.; Lüttge, U. Responses of chlorophyll fluorescence parameters of the facultative halophyte and
C3-CAM intermediate species Mesembryanthemum crystallinum to salinity and high irradiance stress. J. Plant Physiol. 2007, 164,
904–912. [CrossRef]

54. Hazrati, S.; Tahmasebi-Sarvestani, Z.; Modarres-Sanavy, S.A.M.; Mokhtassi-Bidgoli, A.; Nicola, S. Effects of water stress and
light intensity on chlorophyll fluorescence parameters and pigments of Aloe vera L. Plant Physiol. Biochem. 2016, 106, 141–148.
[CrossRef]

55. Stirbet, A.D.; Strasser, R.J. Numerical simulation of the in vivo fluorescence in plants. Math. Comput. Simul. 1996, 42, 245–253.
[CrossRef]

56. Yan, K.; Chen, P.; Shao, H.; Shao, C.; Zhao, S.; Brestic, M. Dissection of photosynthetic electron transport process in Sweet
Sorghum under Heat Stress. PLoS ONE 2013, 8, 1–6. [CrossRef]

57. Goltsev, V.; Zaharieva, I.; Chernev, P.; Kouzmanova, M.; Kalaji, H.M.; Yordanov, I.; Krasteva, V.; Alexandrov, V.; Stefanov, D.;
Allakhverdiev, S.I.; et al. Drought-induced modifications of photosynthetic electron transport in intact leaves: Analysis and use of
neural networks as a tool for a rapid non-invasive estimation. Biochim. Biophys. Acta Bioenerg. 2012, 1817, 1490–1498. [CrossRef]
[PubMed]

58. Li, L.; Zhou, Z.; Liang, J.; Lv, R. In vivo evaluation of the high-irradiance effects on PSII activity in photosynthetic stems of Hexinia
polydichotoma. Photosynthetica 2015, 53, 621–624. [CrossRef]

59. Ruban, A.V. Plants in light. Commun. Integr. Biol. 2009, 2, 50–55. [CrossRef]
60. Bertelli, C.M.; Unsworth, R.K.F. Light stress responses by the eelgrass, Zostera marina (L). Front. Environ. Sci. 2018, 6, 1–13.

[CrossRef]
61. Esteban, R.; Barrutia, O.; Artetxe, U.; Fernández-Marín, B.; Hernández, A.; García-Plazaola, J.I. Internal and external factors

affecting photosynthetic pigment composition in plants: A meta-analytical approach. New Phytol. 2015, 206, 268–280. [CrossRef]
62. Collier, C.J.; Waycott, M.; Ospina, A.G. Responses of four Indo-West Pacific seagrass species to shading. Mar. Pollut. Bull. 2012, 65,

342–354. [CrossRef] [PubMed]
63. Paolacci, S.; Harrison, S.; Jansen, M.A.K. The invasive duckweed Lemna minuta Kunth displays a different light utilisation strategy

than native Lemna minor Linnaeus. Aquat. Bot. 2018, 146, 8–14. [CrossRef]
64. Wu, G.; Ma, L.; Sayre, R.T.; Lee, C.H. Identification of the optimal light harvesting antenna size for high-light stress mitigation in

plants. Front. Plant Sci. 2020, 11, 1–11. [CrossRef]
65. Zhu, S.; Qin, L.; Feng, P.; Shang, C.; Wang, Z.; Yuan, Z. Treatment of low C/N ratio wastewater and biomass production using

co-culture of Chlorella vulgaris and activated sludge in a batch photobioreactor. Bioresour. Technol. 2019, 274, 313–320. [CrossRef]
[PubMed]

66. Casagranda, C.; Boudouresque, C.F. Biomass of Ruppia cirrhosa and Potamogeton pectinatus in a Mediterranean brackish lagoon,
Lake Ichkeul, Tunisia. Fundam. Appl. Limnol. 2007, 168, 243–255. [CrossRef]

40



Citation: Yu, F.; Liu, F.; Xia, Z.; Lin, P.;

Xu, C.; Wang, J.; Hou, M.; Zhou, X.

Classification and Assessment

Methods for Mountain Channel

Habitats in the Chishui River Basin,

China. Water 2022, 14, 515. https://

doi.org/10.3390/w14040515

Academic Editors:

Eva Papastergiadou and

Kostas Stefanidis

Received: 25 January 2022

Accepted: 5 February 2022

Published: 9 February 2022

Publisher’s Note: MDPI stays neutral

with regard to jurisdictional claims in

published maps and institutional affil-

iations.

Copyright: © 2022 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

water

Article

Classification and Assessment Methods for Mountain Channel
Habitats in the Chishui River Basin, China
Fandong Yu 1,2, Fei Liu 1, Zhijun Xia 1,2, Pengcheng Lin 1, Chunsen Xu 1,2, Jianwei Wang 1,*, Miaomiao Hou 1,2

and Xinhua Zou 1,2

1 Institute of Hydrobiology, Chinese Academy of Sciences, Wuhan 430072, China; yufd666@163.com (F.Y.);
liufei@ihb.ac.cn (F.L.); Xiazj1995@163.com (Z.X.); linpc@ihb.ac.cn (P.L.); 18227588944@163.com (C.X.);
houmiao006@163.com (M.H.); 18370085282@163.com (X.Z.)

2 University of Chinese Academy of Sciences, Beijing 100049, China
* Correspondence: wangjw@ihb.ac.cn; Tel.: +86-027-6878-0033

Abstract: Mountain channels have received relatively little study compared to lowland rivers due to
their complicated fluvial geomorphology and inconvenient traffic. Classification schemes and habitat
assessments in mountain channels should be strengthened to provide a scientific basis for river
ecological restoration. Therefore, we tried to simplify the habitat assessment of mountain channels
using a suitable habitat classification scheme based on high-resolution satellite imagery. We used
China’s Chishui River basin because it is a typical mountain river system. Five parameters (stream
order, elevation, slope, sinuosity and river network density) and 120 sites were used for habitat
classification. In addition, we recorded 20 metrics in four categories (water environmental status, river
morphology, riparian zone and human disturbance). Our results identified a total of 40 representative
sampling sections belonging to six habitat types that were useful for habitat assessment across the
Chishui River basin. The basin was given a mean comprehensive habitat quality index (CHQI) score
of 130.66 ± 24.14 and classified under the status “good.” However, the headwaters, Tongmin River,
Tongzi River and Xishui River were disturbed by various human activities. We conclude that the
process of developing and simplifying our habitat assessment systems can be regarded as a reference
for biomonitoring in other mountain river systems.

Keywords: mountain channels; habitat classification; habitat assessment; simplification; Chishui
River basin

1. Introduction

Since the 19th century, ecologists and geographers have recognized fundamental
differences between mountain channels and their lowland counterparts [1–3]. Compared
to lowland rivers, mountain channels have more intense hydrologic changes, more variable
gradient and morphology, poorer nutrition, and clearer spatial variation in the ecosystem
that is prone to forcing by external influences [4]. In the past, mountain channels have
received relatively little study compared to lowland rivers because the technology was not
good enough to conduct in-depth studies in these areas [5]. Strengthened classification
schemes and habitat assessments for mountain channels would help us better understand
and predict their response to both human and natural disturbance [6,7]. Furthermore,
classifying and assessing river habitats improves our understanding of riverine ecology.

Geomorphic units are the elementary spatial physical features of the river mosaic at
the reach scale that are nested within the overall hydromorphological structure of a river
and its catchment [8]. Principles of fluvial geomorphology have guided the development
of riverine ecology over the past few decades [9]. One axiom associated with fluvial
geomorphology is that what initially appears complex is even more so upon further
investigation [6]. River habitats have diverse ecological characteristics due to their different
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aquatic organisms, physical environment, ecosystem pattern, etc., and to a certain extent
they determine the state of the river ecosystem [10].

A suitable classification scheme would help simplify otherwise complex river systems.
The effort to classify freshwater ecosystems is not new, and various classification approaches
have been developed for lakes, streams and wetlands [11–13]. For example, Wolfgang et al.
indicated five major classified systems of Amazonian white-water river floodplains [14];
Davenport et al. identified sites of urban rivers that have particular qualities or may
require particular types of management [15]. Complementarily, biodiversity and ecosystem
integrity are being degraded around the world [16,17]. Over the past decades, freshwater
ecosystems have become increasingly threatened by various stressors, such as pollution,
land use changes, dam construction and water extraction [18–20]. As a result, health
assessments of freshwater ecosystems are becoming widespread [21]; one part of this
evaluation is a habitat assessment. Since the 1980s, different models [22,23], protocols and
frameworks [24,25] have been developed to assess river habitats, especially in Europe,
North America and Australia [26–28]. These methods, to some extent, help measure the
physical habitat characteristics of rivers and evaluate the corresponding characteristics.
However, there are no systematic standards for habitat assessment. Especially for mountain
channels, complicated fluvial geomorphology and inconvenient traffic limit the collection
of data and planning needed to customize management activities for unique ecosystems.
Our first priority for doing this is to improve environmental monitoring tools.

The upper Yangtze River supports a diverse aquatic fauna and is extremely rich in
endemicity, with at least 286 fish species distributed throughout [29]. However, an increase
in anthropogenic activities in the Yangtze River over the past decades has disrupted
habitats and led to many species becoming extinct or highly endangered [30,31]. As a
typical mountain river system, the Chishui River is the last free-flowing tributary of the
upper Yangtze River and provides an ideal model to test river ecological principles, as
no dams have been built on its main stream [32,33]. In addition, the Chishui River is an
important “National Nature Reserve for Rare and Endemic Fishes of the Upper Yangtze
River,” a classification established by the Chinese Government in 2005 [33], and an ecology–
conservation hotspot. In recent years, increasing research reports on the Chishui River have
been proposed to capture the fish diversity patterns, community biology and conservation
biology [32,33]. However, little research has been done on habitat classification and habitat
assessment. Here, we attempt to simplify the evaluation steps, which we suggest have been
insufficiently studied by ecologists and less used by ecosystem managers; we also make
it easier to perform habitat assessments on mountain channels using a suitable habitat
classification scheme based on high-resolution satellite imagery.

Our efforts to simplify the habitat assessment by categorizing river systems help us
achieve, to some extent, the following objectives: (1) categorize river habitats of the Chishui
River basin into reasonable ecoregions, (2) assess the habitat condition of rivers throughout
the Chishui River basin, (3) identify the existing factors that hinder ecological health, and
(4) provide a reference for those working on habitat assessments in other mountain river
systems.

2. Materials and Methods
2.1. Study Region and Technical Procedures

The Chishui River basin (27◦20′–28◦50′ N; 104◦45′–106◦51′ E) has a drainage area of
20,440 km2 and includes the Chishui River mainstream and its 11 tributaries (in order from
upstream to downstream: Zhaxi River, Daoliu River, Tongche River, Baisha River, Erdao
River, Wuma River, Tongzi River, Gulin River, Tongmin River, Datong River and Xishui
River). The Chishui River originates from the Wumeng Mountains in Yunnan Province
and flows through Yunnan, Guizhou and Sichuan Provinces for nearly 436.5 km before
meeting the upper Yangtze River in Hejiang County, Sichuan Province, southwest China.
These 11 s-order tributaries range from 35 to 150 km long. All of these streams are located
in the eastern Yungui Plateau, Sichuan Basin or the transitional area between them. With a
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subtropical monsoon climate, the annual average rainfall of the Chishui River is about 1000
mm. The Chishui River contains a large amount of laterite soil, which can lead to extensive
erosion; thus, it is the origin of the name “Chishui” (i.e., “red river” in Chinese). Karst
landforms are mainly distributed in the upper and midstream of the river, and the river’s
downstream areas belong to the Sichuan Basin [32–34].

For the mountain channels, some scientific methods were needed before field sampling
since it was impractical for us to reach all sampling sections. We used habitat classification
results to select suitable sampling sections for subsequent habitat assessment. Remote
sensing technology was initially used to categorize the river systems; based on these
categories, we then selected representative sampling sections from the Chishui River basin
that showed a strong capability to distinguish sites of human perturbation. Field habitat
surveying and assessment work were then carried out, and the comprehensive habitat
quality index (CHQI) was finally calculated. The detailed procedures are shown in Figure 1.

Figure 1. Technical procedure for habitat assessment in the Chishui River basin.

2.2. Habitat Classification
2.2.1. Extraction of Basic Data

As many data sites as possible in the Chishui River basin were initially selected
based on Google Earth Pro software and a 1:250,000 high-definition drainage map. About
three data sites were collected for each 10 km of riverbank for a total of 120 data points
(Figure 2). The 30 m resolution Digital Elevation Model (DEM) was downloaded and cut
via Global Mapper software (v. 21.0). With reference to the monograph [35], basic data
were used to calculate parameters that, for the habitat classification, were extracted for
each data site with ArcGIS software (v.10.6.1) based on 30 m-resolution DEM databases.
The specific steps included filling the sink, analysis of flow direction, analysis of flow
accumulation, reclassification of flow, river linking, vectorization (extracting water systems)
and classification of the stream net. An algorithm for D8 flow direction, spatial analysis and
the Strahler stream net classification method were used in the above steps. These basic data
provided river information, subbasin boundaries and altitude for parameter calculations.
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Figure 2. Locations of data sites along the Chishui River basin.

2.2.2. Parameters Used for the Habitat Classification

Classification parameters that reflect fluvial geomorphology, physical form and hy-
drological characteristics were selected based on the inherent attributes of classification
parameters and the habitat characteristics of mountain channels. With reference to the
previous studies [36,37], five parameters were used: stream order, elevation (m), slope
(km/km), sinuosity (km/km) and river network density (km/km2). Elevation reflects
the topographic conditions, slope and sinuosity show the river’s physical form, and river
network density and stream order illustrate the river system’s structure. Datasets with
elevation and stream order were directly extracted from ArcGIS 10.6, and the other three
parameters were defined as follows:

P =
(Eu − Ed)

Lv
(1)

where P is the slope, Eu is the elevation of river inlet, Ed is the elevation of river outlet and
Lv is the basin centerline (the straight length between the inlet and outlet of the river).

S =
Lr
Lv

(2)

where S is the sinuosity, Lr is the river centerline (the actual length between the inlet and
outlet of the river) and Lv is the basin centerline (the same as above).

D =
L
A

(3)

where D is the river network density, L is the total length of the river network and A is the
area of the basin.

2.2.3. River Habitat Classification

To determine the spatial patterns of habitats in the Chishui River basin, data on the
above five parameters were used in the following analyses: (1) Analysis of similarity
(ANOSIM) was carried out to determine the differences between different site-groups. (2)
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Similarity of percentage analysis (SIMPER) was used to identify parameters that were
principally responsible for similarities within site-groups [32]. (3) Cluster analysis (a group
average hierarchical sorting strategy) and nonmetric multidimensional scaling (NMDS)
ordination analysis were used to classify the spatial patterns of habitat in the Chishui River
basin [38]. All these steps were performed with the PRIMER 5 software package [39].

Habitat types were classified using the clustering methods above and named based on
the most significant characteristic parameter based on river hydromorphology and physical
habitats. The rivers were divided into headwater, upstream, midstream, downstream,
estuary and tributaries based on the location of the data sites; straight rivers and curved
rivers based on sinuosity values; steep mountain rivers and flat rivers based on slope; and
sparse river networks and dense river networks based on the river network density [37].

2.3. Habitat Evaluation
2.3.1. Metrics Used for the Habitat Assessment Criteria

We selected 20 metrics in four categories for habitat evaluation based on authoritative
research [40,41]: water environmental status (pool form, transparency, water smell, flow
regime, water color); river morphology (riverbed type, sedimentation characteristics, silt
coverage, embeddedness, sinuosity, river harden and canalization); riparian zone (riparian
stability, riparian plant width, riparian plant coverage, dominant vegetation); and human
disturbance (sewage outlet, solid waste point, dams and channel engineering, cross-river
bridge, residential and industrial area). All of these metrics were finally used to establish
habitat assessment criteria as shown in Table 1. We then calculated the metric values for
each sampling section.

2.3.2. Habitat Sampling

Using the results of habitat classification and depending on sampling operability, we
collected data on habitat types and stream morphology, physical habitats and hydrological
characteristics at different spaces from the mainstream and 11 tributaries for a total of 40
sampling sections along the Chishui River (mainstream = 18, tributaries = 22) (Figure 3).
Field habitat surveys were conducted in March–May 2021.

Figure 3. Locations of sampling sections along the Chishui River basin.
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For each sampling section, three survey units within the visible range (approximately
500–800 m) were randomly selected, and each unit was treated as a sample square (includ-
ing the left and right banks) 100 m long. Due to the high heterogeneity of the river habitat,
multiple sampling tools were adopted during surveys, included cameras, GPS devices,
laser rangefinders, telescopes, water harvesters, bottom dip nets and mud harvesters.

2.3.3. Determination of Comprehensive Habitat Quality Index (CHQI)

To quantify the assessment process, we calculated the comprehensive habitat quality
index (CHQI) to evaluate how degenerated the river habitat was using the formula below.
To avoid any subjectivity in the discrete scoring, all metrics were scored on a continuous
scale from 0 to 200 [42,43]. Each metric received a score of 0–10 based on the habitat
assessment criteria (Table 1). The scores for each metric were summed to obtain CHQI,
which were divided into five grades based on the relevant habitat score standard: (1) CHQI
> 150: excellent, (2) 120 < CHQI ≤ 150: good, (3) 90 < CHQI ≤ 120: fair, (4) 60 < CHQI ≤ 90:
poor and (5) CHQI ≤ 60: bad [42–44].

CHQI(section) =
∑n = 20

i Gi (three units)
3

(4)

where CHQI is the value of the sampling section habitat and Gi denotes the value for each
metric. CHQI can be determined as the average of the scores from all three units in each
sampling section.

3. Results
3.1. Spatial Habitat Types

River fragments and subbasins were calculated by spatial analysis in ArcGIS software.
A total of 109 river fragments 0.08–59.45 km long were obtained and finally combined
into the mainstream and 11 tributaries of the Chishui River in this study. In addition, the
Chishui River basin was divided into eight subbasins with areas of 896.59–4732.95 km2 and
circumferences of 140.18–427.62 km.

All the 120 data sites were divided into six sub-groups based on the spatial patterns
of the river habitats: group 1 (G1): steep tributaries habitat (15 data sites); group 2 (G2):
high-altitude headwater habitat (41 data sites); group 3 (G3): upstream dense river net
habitat (12 data sites); group 4 (G4): midstream low-curved habitat (27 data sites); group 5
(G5): low-altitude estuary tributaries habitat (3 data sites); and group 6 (G6): downstream
flat habitat (22 data sites). These are shown in Figure 4 and Table 2 based on cluster and
ordination analyses. ANOSIM (p < 0.05) and the stress value of NMDS was 0.05 (less than
0.2), which further confirmed that the six sub-groups were significantly different [32]. The
sub-groups were named based on the following characteristics: group 1 had the highest
mean slope value (0.0186) and lowest mean stream order value; data sites in group 2 were
characterized by high elevation (996.49 m); group 3 had a high mean river network density
value (0.10) whereas group 4 had a low mean river network density value (1.24); groups 5
and 6 were characterized by low elevation and low slope value, and group 5 was located
in an estuary of Chishui River (Table 2). The results of SIMPER analysis showed that data
sites within each group have high similarity (from 96.37–98.77%). Group 2 and group 6
have the highest average dissimilarity (14.12%) (Table 3).
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Figure 4. The NMDS ordination (a) and classification (b) plots of the river habitats in the Chishui
River basin.

Table 2. Five parameters of habitat classification among the six sub-groups.

Habitat Types Number of
Data Sites Proportion Average

Elevation (m)

Average
Sinuosity
(km/km)

Average Slope
(km/km)

Average River
Network
Density

(km/km2)

Average
Stream Order

Steep
tributaries

habitat
15 12.50% 484.60 1.41 0.0186 0.062 1

High-altitude
headwater

habitat
41 34.17% 996.49 1.28 0.0119 0.073 1.15

Upstream
dense river net

habitat
12 10.00% 709.67 1.24 0.0081 0.100 2.92

Midstream
low-curved

habitat
27 22.50% 397.26 1.24 0.0031 0.088 3.04

Low-altitude
estuary

tributaries
habitat

3 2.50% 227.67 2.16 0.0020 0.164 2

Downstream
flat habitat 22 18.33% 258.64 1.60 0.0021 0.089 4
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Table 3. Similarity percentages of SIMPER analysis.

Groups Average Similarity (%) Groups Average
Dissimilarity (%)

Group 1 97.89 Groups 1 and 2 5.39
Group 2 97.13 Groups 1 and 3 7.16
Group 3 98.47 Groups 1 and 4 6.99
Group 4 96.37 Groups 1 and 5 9.69
Group 5 98.77 Groups 1 and 6 10.74
Group 6 97.78 Groups 2 and 3 6.09

Groups 2 and 4 9.82
Groups 2 and 5 13.48
Groups 2 and 6 14.12
Groups 3 and 4 4.92
Groups 3 and 5 10.75
Groups 3 and 6 8.3
Groups 4 and 5 7.79
Groups 4 and 6 5.14
Groups 5 and 6 6.36

Our results also showed that the high-altitude headwater habitat (G2) has the highest
proportion (34.17%), while the low-altitude estuary tributaries habitat (G5) had the lowest
proportion (2.50%), so we created 14 and three sampling sections, respectively, in these
habitat types during field surveys for habitat assessment. In addition, five, four, nine and
seven sampling sections were adopted in the corresponding habitat types below: steep
tributaries habitat (G1), upstream dense river net habitat (G3), midstream low-curved
habitat (G4) and downstream flat habitat (G6). A total of 40 representative sampling
sections belonging to six habitat types were finally set to simplify habitat assessment across
the Chishui River basin (Figure 3, Table 2).

3.2. CHQI and Habitat Health

The final CHQI scores for the 40 sampling sections ranged from 75 to 120 with the
mean ± SD of 130.66 ± 24.14. The mean score was between 120 and 150, meaning that the
ecological health of the Chishui River basin habitats was classified as good: nine sampling
sections were excellent, 18 were good, 10 were fair and three were poor (Figure 5). Among
them, a unit of S1 was scored 87 due to poor water quality; units in both S31 and S35 ranged
from 75 to 82; and S2–S8, S11 and S25 were classified as having an excellent habitat status
with high CHQI scores.
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Figure 5. Habitat health status of the 40 sampling sections in the Chishui River basin.

According to the mean ± SD values of CHQI scores, the habitat health conditions for
the Chishui River’s mainstream and eleven tributaries were: mainstream: 142.74 ± 18.94,
Zhaxi River: 136.00 ± 13.49, Daoliu River: 137.00 ± 10.19, Tongche River: 137.67 ± 3.99,
Baisha River: 124.00 ± 18.52, Erdao River: 163.67 ± 3.86, Wuma River: 131.11 ± 13.24,
Tongzi River: 105.00 ± 20.16, Gulin River: 111.50 ± 16.88, Tongmin River: 79.67 ± 1.69,
Datong River: 139.67 ± 3.29 and Xishui River: 110.33 ± 18.85. All three units of S25 in the
Erdao River were classified as excellent and no site was considered poor. S31 of Tongzi
River and S35 of Tongmin River had six units that were classified as having poor status,
whereas eight units of Xishui River were classified as having fair status, accounting for
66.67% of the total units (Figure 6).

Figure 6. Box plot showing the CHQI score of each stream (1: mainstream, 2: Zhaxi River, 3: Daoliu
River, 4: Tongche River, 5: Baisha River, 6: Erdao River, 7: Wuma River, 8: Tongzi River, 9: Gulin
River, 10: Tongmin River, 11: Datong River, 12: Xishui River).
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3.3. Traits of the Metrics and Habitat Characteristics

The five parameters used for the habitat classification differed among the headwater,
upstream, midstream, downstream and tributaries of the Chishui River [32]. Our results
from the 120 data sites showed that the average elevation of headwater (data sites 1–15,
above Potou Town), upstream (data sites 16–30, Potou Town to Maotai Town), midstream
(data sites 31–42, Maotai Town to Hushi Town), downstream (data sites 43–54, Fuxing Town
to Hejiang Town) and tributaries (data sites 55–120) was 1101.6 ± 299.92 m, 509.73 ± 113.02
m, 295.87 ± 46.19 m, 226.56 ± 11.81 m and 652.92 ± 289.18 m, respectively. Among the 11
tributaries, Tongche River had the highest average elevation (1138.33 m), whereas Datong
River had the lowest average elevation (302.33 m). The mean sinuosity was 1.36±0.38,
ranging from 1.09 to 2.81; sinuosity was highest in Hejiang Town and lowest in Maotai
Town. On the whole, tributaries and downstream had higher sinuosity, followed by the
midstream, whereas upstream and the headwater had the lowest. The highest slope (0.034)
appeared in Jianzhu Town (Baisha River), and the lowest (0.0001) appeared in Changsha
Town (Xishui River). In general, the slopes were highest in the headwater, Baisha River,
Erdao River and Wuma River, and lowest in the midstream, downstream, Xishui River,
Datong River and Tongmin River. The average river network density was 0.083 ± 0.02
(km/km2), between 0.04 and 0.16. Generally, the headwater and upstream had higher
densities of river networks, followed by the midstream, downstream, and tributaries. The
Chishui River basin consisted of four grades of stream order due to the Strahler algorithm
and the natural growth of the river system (Figures 2 and 7).

Figure 7. Box plots showing the five classification parameters for each stream (1: mainstream, 2:
Zhaxi River, 3: Daoliu River, 4: Tongche River, 5: Baisha River, 6: Erdao River, 7: Wuma River, 8:
Tongzi River, 9: Gulin River, 10: Tongmin River, 11: Datong River, 12: Xishui River).

Our results showed that the 20 metrics in four categories that we chose for the habi-
tat assessment ranged in average scores between 3.70 and 7.86, with river harden and
canalization being the greatest and sinuosity being the lowest, of which metrics (riverbed
type, river harden and canalization, riparian stability, riparian plant coverage, dominant
vegetation) had the higher scores, all greater than 7. However, the average scores of the
metrics (flow regime, sinuosity, dams and channel engineering) were lower, all less than
6. In addition, results of these four metric categories showed that the average score of
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the riparian zone was 7.17, whereas the parallels of water environmental status, river
morphology and human disturbance were 6.28, 6.46 and 6.36, respectively. In summary,
their higher scores suggested that riparian stability and riparian plant width were the most
stable metrics in the Chishui River basin. The results are shown in Figure 8.

Figure 8. Scores of the 20 metrics that were used for the habitat assessment.

We also found spatial differences among the 20 metrics used for the habitat assessment
in the headwater, upstream, midstream, downstream and tributaries. The scores of some
metrics (pool form, transparency, water smell, flow regime, water color) in the Chishuiyuan
Town section (S1) were significantly lower than those of other sampling sections. The scores
of some metrics (sewage outlet, residential and industrial area) in Maotai Town (S9) were
lower than those of other sampling sections. Among the tributaries, Erdao River had the
best habitat health due to its high-scoring metrics, whereas Tongmin River, Tongzi River
and Xishui River had the poorest scores due to disturbances from various human activities.

4. Discussion
4.1. Performance of Our Habitat Assessment System

A more refined and convenient habitat assessment system is required to research river
hydromorphology and the physical habitats of mountain channels [5]. Principal charac-
teristics of our habitat assessment system are that it (1) simplifies the habitat assessment
by using a suitable habitat classification scheme, (2) classifies this basin into six types of
habitats based on high-resolution satellite imagery, (3) synthesizes the cumulative metrics
of a wide variety of environmental disturbances that match river hydromorphology and
physical habitats and (4) provides universal research methods for other mountain river
systems. However, there are some potential limitations of this research to be aware of,
including (1) dynamic changes in the river habitat could not be reflected due to a lack
of historic data and (2) there was no photographic coverage for a small portion of a few
habitat areas, such as data sites 21–24.

Mountain channels are a unique ecosystem characterized by complex and varied
habitats. A previous study performed qualitative habitat classification on the Chishui
River mainstream based on the longitudinal variations in topography, altitude, climate
and vegetation; it concluded that the mainstream is divided into four natural regions:
headwater, upstream, midstream and downstream [45]. Our study complements Wang
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et al. by quantitatively identifying the differences in habitat characteristics in the Chishui
River basin (the mainstream and 11 tributaries) [45]. First, six habitat sub-groups that
our study defined provide a basis for managing and assessing environmental protection
activities. We found considerable differences in the habitat characteristic parameters among
the six habitat sub-groups. Of the six sub-groups studied, the high-altitude headwater
habitat was the most widespread. Table 2 presents the most characteristic and distinctive
attributes.

Most of our study area is located in the eastern Yungui Plateau and is characterized by
high mountains, deep valleys and scarce vegetative cover. Upstream dense river net habitats
are located on the sloping Yungui Plateau, with a predominance of riffles, rocky bottoms,
scarce vegetative cover and developed water system. Midstream low-curved habitat
mainly lies in the transitional area between the Yungui Plateau and the Sichuan Basin, with
a relatively soft slope and moderate vegetative cover. Downstream flat habitat is located
on the edge of the Sichuan Basin, with a predominance of sandy substrate, reduced water
flow and lush vegetative cover [33,45]. Steep tributary habitats emerge from each tributary,
while low-altitude estuary tributary habitats only appear downstream of Xishui River
with the narrowest distribution. In many respects the habitat sub-groups were therefore
quite distinct from each other. Additionally, the habitat sub-groups defined by this study
could also be useful as the criteria for selecting sampling points scientifically, which would
simplify subsequent habitat assessments. Based on experience from previous surveys of
the Chishui River basin, some sampling sections were found to be difficult to reach and
collect data from due to their complicated fluvial geomorphology and inconvenient traffic,
e.g., areas that were between data sites 21 (Qingchi Town) and 24 (Maotai Town) (Figure 2)
and areas that lay upstream of Tongzi River. All these areas are characterized by steep
mountains and long canyons. Therefore, we used remote sensing technology to identify
sampling sections that were representative of these areas. Data sites 20 and 25–32, having
convenient traffic, were selected to represent data sites 21–24 since all data sites from 21 to
32 belonged to group 4: midstream low-curved habitat (Figures 2 and 4). We thus sampled
the sections S8–S11 to reflect the habitat of these areas where we went to actually sample
(Figure 3). Similarly, 120 data sites were finally combined into 40 sampling sections to
create a scientifically simplified habitat assessment of mountain channels.

Using 20 metrics that reflect the quality of hydrology, channel, riparian and direct
human activities, we created a habitat assessment system that is more comprehensive
than previous ones [40,41]. The results obtained using these metrics are easy to translate
into values that are meaningful to the general public [43]. It is worth mentioning that
quantitative metrics based on different factors of interference—such as transparency, silt
coverage and sewage outlet—responded noticeably to human disturbance. Unlike the
quantitative metrics, several qualitative metrics also appeared in our studies, such as water
smell, water color and riverbed type, because they are capture ecological and environmental
differences among habitats that other metrics do not [46]. Therefore, we argue that these
20 metrics complement each other well. Additionally, we only sampled in March–May
because, in reality, physical habitats are stable since they have a longer cycle time of change,
whereas hydrological characteristics are highly dynamic and change seasonally as rainfall
varies. Due to rainfall, mountain rivers are divided into wet periods and dry periods,
and the Chishui River is a typical rain-source river [47]. Even though changes in natural
water levels also alter habitats, we wanted to track how human disturbances, but not
natural changes, impact these river habitats. A previous study suggested that, to reflect
general river habitat and hydrological characteristics objectively, habitat sampling should
be conducted during periods with stable hydrology, such as at the transition of spring and
summer (March–May), because flow conditions and hydrological fluctuations were less
dynamic then [46].

Similarly, there are a large number mountain channels like the Chishui River in the
upper Yangtze River, such as the Han River, the Jinsha River, and the Dadu River [31,32,48].
Characterized by complex and varied river habitats, they are also hard to research since
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complicated fluvial geomorphology and inconvenient traffic limit the collection of data and
the planning needed to customize management activities for unique ecosystems. Therefore,
the steps of developing and simplifying our habitat assessment systems presented herein
will be helpful for habitat assessments not only in this region, but also in other mountain
channels with similar characteristics related to human disturbance.

4.2. Habitat Status of the Chishui River Basin

Unlike most rivers in China, as a recognized ecological river basin, the Chishui River
basin was generally classified as having a good ecological status with a mean CHQI score
of 130.66 based on our results. Previous research has shown that areas with relatively low
human population density and lush forests are generally healthy, whereas sites with a poor
status were densely populated with a high degree of clustering and had certain human
activities around that seriously impacted them [49]. Similarly, in our study we found
that sites with “excellent” and “good” status were all distributed in sparsely populated
regions with a good vegetation coverage and little industrial or agricultural activity, such
as in S2 (Guozhu Town), S4 (Shuitian Town), S14 (Hushi Town) and S25 (Malu Town).
This may be because they were not impacted much by anthropogenic factors [48]. By
comparison, sampling sections with “fair” and “poor” status differed primarily in the
extent to which they were urbanized and had industrial and agricultural activity, such as
in S1 (Chishuiyuan Town), S31 (Guancang Town), S35 (Tongmin Town) and S37 (Changsha
Town).

The mainstream of the Chishui River basin had an average CHQI score of 142.74, which
means that it is healthy; nevertheless, it is experiencing a variety of problems. Several
sampling sections of the mainstream (S1, S9 and S12) had lower CHQI scores (102.33,
109.33 and 118.67, respectively). Although it had good vegetation cover, S1 (Chishiuiyuan
Town) had little runoff and was seriously polluted by local domestic sewage. Based on our
investigation, river channels with smelly and polluted water, low transparency, hardening
and canalization are poor habitat environments. We found that excessive domestic sewage
from Chishiuiyuan Town was leaking into the river channel and destroying its ecological
balance. Now, the local government has taken measures to remedy this damage; for
example, it prohibited domestic sewage from being discharged into the river channel
and built sewage treatment plants in proximity to the stream channel. In addition, S9
(Maotai Town) and S12 (Taiping Town) were classified under the “fair” ecological status
and shown to suffer from frequent industries. Without management measures, these areas
will likely be classified as “poor” in the near future. Maotai Town is well-known around
the world for its famous white spirit [33]. In recent years, pollution from wineries and
excessive construction activities have enveloped Maotai Town and further damaged its
river’s health [33]. Commercial shipping and industrial and mining enterprises of Taiping
Town also have an impact on habitat health. According to our survey, damage from
frequent water transportation and various mining operations are having serious effects on
the region’s waterways.

Of the 11 tributaries of the Chishui River basin, streams with “excellent” and “good”
condition accounted for 4.55% and 54.55%, respectively, whereas streams with a “fair” and
“poor” status accounted for only 27.27% and 13.63%, respectively, and no streams were
rated “bad.” Erdao River and Datong River are the healthiest according to their CHQI
scores, mainly because their surrounding areas have lots of forest and little anthropogenic
impact from industry and agriculture [49]. Regrettably, Tongmin River, Tongzi River, Xishui
River and Gulin River were classified as “fair” or “poor,” with average CHQI scores of
79.67, 105.00, 110.33 and 111.55, respectively. As the largest tributary of the Chishui River,
several upstream sampling sections of Tongzi River—such as S30 (Huoshigang Town) and
S31 (Guancang Town)—were classified as “poor,” with CHQI scores of 97.33 and 76.67,
respectively. Tongzi River is characterized by high dams and large reservoirs, such as
Yangjiayuan Dam and Yuanmanguan Dam, the construction of which has led to the frag-
mentation of habitats that aquatic organisms depend on and the increasing nonrheophilic
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and pollution-tolerant species [48] Moreover, S30 and S31 suffer from both industrial
sewage (coal industries) and domestic sewage. S35 (Tongmin Town) of Tongmin River
suffers severely from human interference, construction and industrial activities. Construc-
tion activities have recently increased in Tongmin River, which is further degrading its
habitats. Similarly, Gulin River is suffering from other human disturbances, in spite of its
current marginal good condition. We found that domestic sewage is gradually polluting
the channel of Gulin River. In addition, S37 (Changsha Town) and S39 (Shibao Town)
are affected by dams and at least 15 hydropower stations have been built on the Xishui
River [32]. It was shown that these cascade dams not only block the migration routes of
fishes and reduce the heterogeneity of the habitat, but also cause frequent and irregular
fluctuations in water level, habitat size and food resources [50]. More seriously, Xishui
River below the Gaodong Dam often dries up. Therefore, effective measures need to be
implemented immediately to deal with these problems.

5. Conclusions

The development of classifications and assessments for mountain channel habitats
is an ongoing issue, and convenient and effective methods are needed. To solve the
limitations of complicated fluvial geomorphology and inconvenient traffic in mountain
channels, a suitable habitat classification scheme based on high-resolution satellite imagery
was used to simplify the habitat evaluation steps. A total of 40 representative sampling
sections belonging to six habitat types were used for habitat assessment across the Chishui
River basin. Among them, the high-altitude headwater habitat (G2) had the highest
proportion (34.17%), whereas the low-altitude estuary tributaries habitat (G5) had the
lowest proportion (2.50%). Data sites 20 and 25–32, having convenient traffic, were selected
to represent data sites 21–24, which had complicated fluvial geomorphology, since all
data from sites 21 to 32 belonged to group 4: midstream low-curved habitat. The basin
was given a mean comprehensive habitat quality index (CHQI) score of 130.66 ± 24.14
and classified under the status “good.” However, the headwaters, Tongmin River, Tongzi
River and Xishui River were disturbed by various human activities. We believe that the
process of developing and simplifying our habitat assessment systems presented herein
will be helpful for ecosystem assessment, not only in this region but also in other mountain
channels with similar characteristics related to human disturbance.
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Abstract: Understanding trophic interactions is essential for the prediction and measurement of
structure and function in aquatic environments. Communities in these ecosystems may be shaped by
variables such as predator diversity, prey density and emergent multiple predator effects (MPEs),
which are likely to influence trophic dynamics. In this study, we examined the effect of key predatory
fish in floodplain wetlands, namely Oreochromis mossambicus and Enteromius paludinosus, towards
Chironomidae prey, using a comparative functional response (FR) approach. We used single predator
species as well as intra- and interspecific paired species to contrast FRs under multiple predator
scenarios. Attack rate and handling time estimates from single predator FRs were used to predict
multiple predators’ feeding rates, which were compared to observe multiple predators’ feeding rates
to quantify potential MPEs. From single fish trials, each species displayed a significant Type II FR,
characterized by high feeding rates at low prey densities. Oreochromis mossambicus had a steeper
(initial slope, i.e., higher attack rate) and higher (asymptote of curve, i.e., shorter handling time and
higher maximum feeding rate) FR, whereas E. paludinosus exhibited lower-magnitude FRs (i.e., lower
attack rate, longer handling time and lower feeding rate). In multiple predator scenarios, feeding
rates were well-predicted by those of single predators, both in conspecific and interspecific pairs,
and thus we did not find evidence for antagonistic or synergistic MPEs. Predator–prey interactions
in wetland systems can have significant consequences on the structure and dynamics of ecological
communities. In turn, this could have destabilizing effects on resources in tropical wetlands. These
results, although experimental, help us understand how trophic interaction among conspecific or
interspecific fish species in Austral tropical wetlands might influence their aquatic prey species. This
will help us to understand food web dynamics better.

Keywords: consumer-resource dynamics; feeding rates; Oreochromis mossambicus; Enteromius
paludinosus; predator-prey dynamics; prey risk

1. Introduction

Predator–prey dynamics are central to our understanding of how species interact and
are pervasive determinants of community structure [1,2]. However, these dynamics in
tropical and subtropical wetlands systems have received little scientific interest [3,4]. In
most tropical and subtropical regions, wetland environments are widespread and highly
diverse, representing a myriad of systems ranging from permanent to ephemeral [5,6].
Floodplain wetlands are especially common in tropical and subtropical regions and are
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characterized by seasonal rainfall [7]. Unlike most endorheic systems, floodplain connection
to permanent water typically facilitates small-bodied fish presence in their food webs during
their hydroperiod [8]. In these shallow systems, small-bodied fish typically represent the
top of the aquatic food web, often exploiting the rich productivity associated with wetlands
during the wet season [9,10]. Multiple predatory species exploit these environments, but
little is known on how predator–predator interactions may facilitate or disrupt predator–
prey dynamics.

Trophic interactions and food webs are characterized by trait-(non-consumptive)
and density-mediated (consumptive) processes, with the former particularly pervasive in
aquatic environments due to the presence of water-borne cues [11,12]. Although consider-
ation of both processes is crucial for a holistic understanding of trophic dynamics, most
attention has been directed at density-mediated effects. One way in which trait-mediated ef-
fects can manifest is through so-called multiple predator effects (MPEs). Most communities
are comprised of more than one predator, with predator–predator interactions potentially
resulting in altered prey risk [13]. There are three forms in which predator–predator in-
teractions classically manifest, and these include (i) additive, where predators interact
independently with their prey irrespective of predator density, and thus multiple predator
feeding rates are predictable based on individuals (i.e., a lack of MPE); (ii) antagonistic
MPEs, where predator–predator interference reduces impact and thus alleviates prey risk;
and (iii) synergistic MPEs, where interactions enhance predatory impacts and, therefore,
increase prey risk [1,14].

Functional response quantification is a classical approach in determining consumer-
resource dynamics in ecosystems. Functional responses describe consumption rates (e.g.,
by predators) as a function of resource density (e.g., prey) [15,16]. In doing so, FRs can
inform whether the consumer will have the ability to regulate, stabilize or de-stabilize the
resource (prey) populations, with implications for population viability in an ecosystem [17].
Several studies (e.g., [18–20]) have used FRs to understand predator–prey interactions.
The significance of floodplain fish and their interaction with the natural aquatic ecosys-
tem is less well understood than in other inland wetland habitats. Even though human
modifications are well-known to have significantly altered fish community structures and
reduced their diversity [21,22], floodplains continue to support diverse fish assemblages
and provide an important habitat for many fish species [23]. Furthermore, available data
on floodplains habitat and wetland fish assemblages and interactions are still quite limited
and much information on the basic ecology of wetland fish associated with these habitats
is less studied.

Functional responses have also been used in MPE frameworks, because predation risk
from multiple predators may also be inherently influenced by prey density [24,25]. For
example, studies by [1,14,25] reported that the MPE sign and strength differed with prey
density and that the influence of prey density varied for different prey species. Specifically,
at low prey densities, all prey are typically extirpated in non-prey replacement experimental
designs, and thus there is little capacity to detect non-trophic interactions (e.g., interference
between predator individuals). At intermediate prey densities, competition between
predators for limited resources is high, resulting in antagonisms. Conversely, at high prey
densities, prey are abundant and thus not extirpated, with predator–predator interactions,
and thus MPEs, potentially less pertinent [26].

The use of such an approach for floodplain wetland fauna could thus link the density-
dependent dynamics of predator and prey populations [27] and help to understand direct
and indirect food-web interactions [28,29] among key individuals (such as macroinverte-
brates, freshwater fish and plants) in these systems. Previous studies on predator–prey in-
teractions have mostly focused on MPE relationships between macroinvertebrate predators
and their prey [30,31], however, higher trophic levels have lacked extensive examination
(but see Wasserman et al. [32] and Mofu et al. [33]). In floodplain wetlands, fish predation
is a major pressure on invertebrate prey, particularly during seasons where large numbers
of small bodies and young fish species are prevalent. Determining the strength of per capita
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interactions, and predator–predator dynamics, from these fish is thus fundamental for
informing comprehensive floodplain wetland food web modelling, providing valuable
information on top-down control dynamics in these systems.

This study thus aimed to assess the feeding interactions of the native Mozambique
tilapia (Oreochromis mossambicus) and straight-fin barb (Enteromius paludinosus), towards
a readily consumed prey (Chironomidae), under multi-predator scenarios using the com-
parative FR approach. We sought to examine the potential importance of conspecific and
interspecific interaction dynamics for the nature and strength of MPEs towards prey, across
a range of prey densities. Oreochromis mossambicus and E. paludinosus have both been
found to be among the most common fish species present in tropical floodplain wetlands’
systems [34,35]. We predicted that O. mossambicus would likely be more efficient at finding
prey at low densities (i.e., higher attack rate) and would have a higher feeding rate through-
out than E. paludinosus, given that the former is more carnivorous when they are juveniles,
while the latter is omnivorous [36,37]. This prediction is supported by the evidence from a
previous study which proved that O. mossambicus resembles a higher attack rate compared
to E. paludinosus [38]. We also predicted that interspecific MPEs would be more pronounced
than conspecific through interference, since interspecific combination resembles a high
consumption rate towards their prey due to competition in the given ecosystem.

2. Materials and Methods
2.1. Animal Collection

In December 2020, experiments were performed in the Pollution Laboratory Atrium
at the University of Venda, South Africa. Juvenile Oreochromis mossambicus and Enteromius
paludinosus were collected from local wetland systems around Thohoyandou (i.e., Tshifu-
lanani (−23.041668; 30.400553) and Duthuni (−22.965715; 30.395720)). Fish were captured
using a 30-metre seine net (mesh 0.5 cm) and transported in 25 L plastic containers filled
with source water to the laboratory. The two species were kept separately in 4 × 25 L
open buckets with 10 fishes being placed per bucket in borehole/wetland (50:50) water.
All fish were acclimatized and starved for 48 h prior to experiments at 26 ± 1.5 ◦C. This
temperature was chosen based on the recorded temperature of water where fish were
collected. Experiments were conducted in individual 10 L polyethylene buckets (navy-blue;
20 cm diameter at the base, 24 cm high) containing 6 L of borehole/wetland (50:50) wa-
ter. All fish used in the experiment were size-matched according to total length (TL) (O.
mossambicus (mean ± SD) = 6.4 ± 0.3 cm TL; E. paludinosus = 6.9 ± 0.3 cm TL), ensuring no
substantial differences in total length between species that might affect feeding rates. Four
hours prior to the experiment, random fish of each species were collected from the 25 L
buckets and transferred individually and in conspecific/heterospecific combinations into
experimental arenas (navy-blue plastic buckets; 20 cm diameter at the base, 24 cm high,
containing 9 L borehole/wetland (50:50)) for further acclimatization to experimental arenas
in a randomized array.

2.2. Experimental Design

The experimental treatments were (1) O. mossambicus, (2) E. paludinosus, (3) O. mossam-
bicus + O. mossambicus, (4) E. paludinosus + E. paludinosus, (5) O. mossambicus + E. paludinosus
(Figure 1). During the FR experiment, dead whole prey (Chironomidae (mean ± SD) =
10 ± 1.4 mm; Aquav freeze-dried bloodworms-AQUAV (Xiamen Mincheng Imp and Exp
Co., Ltd, Beijing, China), were used for all predator treatments. Previous studies have
also used dead prey to quantify trophic interaction strengths (e.g., Boets et al. [39]. For
each treatment, six prey densities were used, i.e., 2, 4, 8, 16, 32 and 64, consisting of four
to six randomized replicates per each fish group (i.e., 5 fish treatments × 6 prey densities
× 4–6 replicates). Prey were transferred to the buckets with fish inside and after four h
of feeding (12:00 to 16:00), fish were removed from the experimental arenas and the total
number of prey remaining enumerated. Conspecific and interspecific pairs were treated as
two individuals in one arena (bucket) consuming supplied prey, i.e., as a single predatory
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unit (Figure 1). In all replicates conducted, fish were only used once. No predators were
added for controls (n = 5 per prey density, where n is the sample size that quantify prey
consumption). After the experiments, all the fish used for experiments were euthanized
humanely following recommendations by Weyl et al. [40] and discarded as a biohazard, as
stipulated in our approved animal ethics application.

Figure 1. Experimental predator treatments comprising individual predator, conspecific and inter-
specific pairs of (a) Oreochromis mossambicus; (b) Enteromius paludinosus; (c) Oreochromis mossambicus +
Oreochromis mossambicus; (d) Enteromius paludinosus + Enteromius paludinosus; (e) Oreochromis mossam-
bicus + Enteromius paludinosus.

2.3. Data Analysis

Differences in proportional feeding rates were examined using a generalized linear
model assuming a quasi-binomial error distribution, given residual deviances exceeded
degrees of freedom. Predator treatment (five levels) was included as a predictor variable,
alongside prey supply (continuous). The interaction term between these factors was not
included. Analysis of deviance was used to compute F-tests for the resulting model. Tukey
comparisons were used post-hoc for pairwise comparisons of predator treatments [41].

Binomial generalized linear models were additionally used to categorize FR types
for both predator treatments at the single predator density [42,43]. A Type II FR was
indicated through the presence of a significantly negative linear coefficient in response
to increasing prey density, while a Type III functional response would be indicated by a
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significant positive first-order term and significant negative second-order term. Given
that the prey were not replaced following consumption over the course of the experiment,
Rogers’ random predator equation was used to model FRs [44]:

Ne = N0(1 − exp(a(Neh − T))) (1)

where Ne is the number of prey eaten, N0 is the initial density of prey, a is the attack
constant, h is the handling time and T is the total experimental period. The Lambert W
function was used to fit the model to the data [43,45]. The random predator equation is
robust to prey depletion in parameter estimation [46].

We then used the attack rate and handling time estimates from single predator FRs
(1) to predict multiple predators feeding rates, which were next compared to observed
multiple predators feeding rates. This was completed separately for multiple predator
groups (i.e., Om + Om, Ep + Ep and Om + Ep) using the corresponding single predator
FR parameters. Estimations of IST (i.e., predicted interactions) were calculated following
McCoy et al. [24] and Sentis and Boukal [25]:

dN
dt

= −∑n
i=1 fi(N)Pi (2)

where N is the prey population density, Pi (i = 1, 2, . . . , n) are the population densities of
predators i, and fi(N) is the functional response of predator i (i.e., Equation (1)). This model
assumes no emergent MPEs and its predictions can be compared to multiple predators
feeding trials to assess the sign and strength of MPEs. To generate predictions of expected
prey survival in the multi-predator experiments, initial values of N and P are set at the
experimental initial prey and predator densities corresponding to the experimental treat-
ment. For each predator treatment and prey density, Equation (2) was integrated over the
full experimental time to obtain the expected numbers of surviving prey. To estimate the
variance around the predictions, we used a global sensitivity analysis that uses the 95%
confidence intervals of each FR parameter estimate and their variance-covariance matrix
(covariance is assumed to be zero when unknown) to generate 100 random parameter
sets using a Latin hypercube sampling algorithm [47]. For each parameter set (n = 100),
Equation (2) was then integrated over time and expected prey survival was calculated using
the ‘sensRange’ function in the R package ‘FME’ [47]. We thus compared the confidence
intervals between predicted and observed FRs to discern differences (i.e., multiple predator
effects) across prey densities. All statistical analyses were performed in R v4.0.2 [48].

3. Results

Consumption rates differed significantly among predator treatments (F4128 = 8.937,
p < 0.001). Single O. mossambicus consumed generally a greater proportion of available prey
than single E. paludinosus, but this was not significantly different (Tukey test, p = 0.093).
However, conspecific pairs of O. mossambicus consumed significantly more than conspecific
pairs of E. paludinosus (Tukey test, p < 0.001). In turn, interspecific pairs of O. mossambicus
and E. paludinosus consumed significantly more prey than conspecific pairs of E. paludinosus
(p = 0.026), but not conspecific pairs of O. mossambicus (Tukey test, p = 0.895) (Figure 2).
The rate of prey consumption related significantly negatively with prey supply overall
(F1128 = 146.239, p < 0.001) (Figure 2).
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Figure 2. Mean (±SE) proportions of prey consumed by single (a) and multiple (b) preda-
tor groups according to predator treatment and prey density. Om = Oreochromis mossambicus,
Ep = Enteromius paludinosus.

Type II FRs were evidenced by both fish species given significantly negative lin-
ear coefficients considering feeding rates as a function of prey density (O. mossambicus:
estimate = −0.054, p < 0.001; E. paludinosus: estimate = −0.048, p < 0001). Considering
single predators, attack rates of O. mossambicus (a = 1.490, p = 0.001, SE = 0.456) were higher
than E. paludinosus (a = 0.794; p = 0.058, SE = 0.418), reflecting a steeper FRs slope at low
densities (Figure 3a). Handling times of O. mossambicus (h = 0.207, p < 0.001, SE = 0.029)
were also shorter than E. paludinosus (h = 0.377, p < 0.001, SE = 0.082) and, therefore,
O. mossambicus had a substantially greater maximum feeding rate over the experimental
duration (1/h = 4.842) than did E. paludinosus (1/h = 2.653) (Figure 3a). As such, the
asymptote of the functional response for O. mossambicus was substantially higher. However,
confidence intervals of FRs overlapped across all prey densities in the single predator
groups (Figure 3a).

Considering multiple predator FRs, predicted feeding rates of conspecific
O. mossambicus exceeded those observed, however, confidence intervals overlapped at
all prey densities (Figure 3b). Likewise, for E. paludinosus, predictions generally exceeded
observed FRs, but confidence intervals again overlapped across prey densities (Figure 3c).
For interspecific predator pairs, predicted FRs tracked more closely with the experimental
observations (Figure 3d). Accordingly, we did not find significant statistical evidence for
MPEs in any of the multiple predator groupings, with predation rates generally combining
additively between fishes. However, interspecific groupings tended to exhibit the high-
est predictability (i.e., fewest non-trophic interactions between predators that influence
feeding rates).
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Figure 3. Functional responses of Oreochromis mossambicus (Om) and Enteromius paludinosus (Ep).
As single predators (a) and in pairs (b–d). Observations correspond to experimental data from
paired predator groups, whilst predictions in each panel were modelled from functional responses
in single predator groups (a) using a population dynamic approach. Shaded areas are 95%
confidence intervals.

4. Discussion

In this study, we combined experiments and modelling to assess potential MPEs be-
tween two common and often sympatric species in floodplain wetlands. In predator-prey
interactions with single predators, the predictions that E. paludinosus would have higher
FR and likely to be more efficient at finding prey at low densities than O. mossambicus were
not supported. The two fish species both displayed potentially destabilizing consumption
rates individually (Type II FRs) [49], with O. mossambicus generally exhibiting a higher
maximum feeding rates and attack rates than E. paludinosus. Our results revealed that,
for conspecific interactions, feeding rates combined additively across prey density treat-
ments since expected proportions of prey were consumed relative to those upscaled from
single predators. Furthermore, feeding rates originating from interspecific groups of O.
mossambicus and E. paludinosus combined additively, thus again resulting in an absence of
MPEs. Given the important role of predation in the structuring and functioning of aquatic
systems [50,51], understanding the implications of predator–prey dynamics is critical for
robust interaction strength quantifications between trophic levels; here we found that key
wetland fishes display additive feeding interactions.

The study suggests that both O. mossambicus and E. paludinosus could destabilize prey
populations, given the high consumption rates at low densities under laboratory conditions.
However, the FR results also showed that in single fish trials, O. mossambicus did not have
significantly higher FRs (shorter handling times and higher maximum feeding rates) than
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E. paludinosus. A growing literature on predator–prey interaction has shown that predation
can potentially yield both positive and negative MPEs [33,52] and a number of ways to
model MPE has been employed [1,32]. The population dynamic model employed in this
study has been shown to be more robust to non-replacement experimental data than other
approaches, such as the multiplicative risk model [25]. When we consider Chironomidae
predation by O. mossambicus and E. paludinosus, our study showed additive effects for
conspecific pairs, and again additive interactions were observed for intraspecific pairs of
these species.

In terms of feeding rates, it was observed that the proportion of prey consumed
fell significantly as prey densities increased across treatments, with feeding rates at low
densities highest (i.e., Type II FR), suggesting that handling time-limited consumption rates
at higher prey densities in all predator treatments. The overall proportion of prey consumed
by single predators was generally lower compared to that of multiple predators. Enteromius
paludinosus also generally exhibited low resource use compared to O. mossambicus. This
reduced consumption by E. paludinosus is due to less efficient foraging tactics that lessens
attack rates (i.e., behavioral differences related to search efficiency) and also to a longer
handling time (i.e., physiological differences) for prey [53]. Enteromius paludinosus exhibited
reduced FRs in comparison with O. mossambicus, and this difference was pronounced
when comparing intra- and interspecific pairs, whereby conspecific paired O. mossambicus
and interspecific fishes were significantly higher than paired E. paludinosus. This study
further suggests that combinations of different fish species of the same sizes exhibit limited
interference when foraging towards their prey, thus showing particularly minimal predator–
predator interactions. However, Mofu et al. [33] showed that net prey consumption under
multiple predator scenarios can be misleading if individual consumption is not catered
for. That study employed a similar design to the present one, but showed, using post-
experimental gut content analysis, that one species elevated its feeding while the other
reduced its feeding, resulting in a net consumption that revealed no MPEs. This has
implications for predator competition dynamics, and such a distinction cannot be made by
measuring FRs alone (i.e., with prey consumption pooled between predators). This was
also previously attested with a study carried out by Labropoulou and Eleftheriou, [54],
whereby two pairs of closely related demersal fish were used to determine the foraging
efficiency towards single and multiple prey.

Although studies that model multispecies predator–prey interactions remain rare, the
presence of additivity greatly simplifies the construction of predictive models [55,56]. This
is because simple additivity decreases the need for detailed prior knowledge about all the
interactions (both direct and indirect) that can occur between species in predator-prey sys-
tems. The findings of this study emphasize the importance of assessing predator–predator
interactions, as these offer insights into resource-use differentiation in multiple predator sce-
narios. The study further supports the direct FR approach by integrating con-interspecific
analysis into the FRs procedure when assessing multiple species interactions, instead of
focusing solely on a single or interspecific predators without additional interactions. Given
the evidence that a change in FRs of individual species may result from MPEs [24], this
study further demonstrates how single and multiple predators can cause additive responses
in the aquatic system and how intensely they interact with prey within these systems. The
present study further indicates that predator-prey interactions are species-specific, as has
been repeatedly evidenced in previous studies among taxa and contexts [57,58]; but there
has remained a paucity of knowledge of interaction strength in floodplain wetlands in
southern Africa [5].

Despite our results, it is important to highlight potential limitations in our approach.
Whereas the present study used thawed frozen chironomid larvae during the experiment,
we acknowledge that the use of live prey could have yielded different results given potential
prey responses to different predator or prey densities. However, this design allowed us
to exclude prey behavior and instead exclusively focus on predator–predator effects on
the functional response between these wetland fish species. Furthermore, our choice
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of small-sized experimental arenas without habitat complexity could have resulted in
confinement effects which may have intensified (or dampened) trophic (i.e., predator–prey)
and non-trophic (i.e., predator–predator) interactions [59,60]. Therefore, while caution
should be exerted when extrapolating these results to the floodplain wetland context,
laboratory experiments can provide useful comparative insights between species, under
controlled conditions, to discern interaction strengths in a controlled manner without wider
mechanistic interpretations. A lack of non-trophic interactions found in the present study
may thus change given greater volumes in empirical ecosystems; but we found no strong
evidence for predator–predator interactions here.

In ecological studies, it is fundamental to understand the biotic processes which impact
floodplain wetlands ecosystem structure and functioning. Recent studies have recognized
the need to examine individual consumer variability within wetland populations [61,62].
Despite the existing data on trophic interaction of single predator–prey dynamics, which is
helpful in determining the strength of MPEs, further exploration studies of interspecific
and conspecific interaction relationships are critical, especially regarding fish predation,
because fish drive top-down cascades and shape the structure and functioning of inverte-
brate communities, including the presence of Chironomidae in floodplain wetlands. As
such, although often transient features of a community, fish cannot be excluded in the
examination of factors that contribute to the functional ecology of floodplain wetlands.

5. Conclusions

We have observed that changes in prey can alter predator–prey interactions of fish, and
this might lead to changes in predator species population dynamics [33], with implications
for the broader aquatic ecosystem community structure and functioning [63]. Additionally,
integration of habitat complexities based on the species’ natural habitat would likely
improve the understanding of processes involved in such interactions [64]. Future studies
should be conducted focusing on the assessment of MPEs using FR approaches, not only
considering predator–prey interactions of native species but also non-native species which
increasingly threaten wetland ecosystems [65]. Furthermore, the present study recommends
an intensive study which determines the distribution and abundance of O. mossambicus and
E. paludinosus that are found in floodplain wetlands. This will strengthen the FR approach
and the impacts which are brought by non-native species to floodplain wetlands systems.
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Abstract: Recent studies have demonstrated that projected climate change will likely enhance nitro-
gen (N) and phosphorus (P) loss from farms and farmland, with the potential to worsen freshwater
eutrophication. Here, we investigate the relative importance of the climate and land use drivers of
nutrient loss in nine study catchments in Europe and a neighboring country (Turkey), ranging in area
from 50 to 12,000 km2. The aim was to quantify whether planned large-scale, land use change aimed
at N and P loss reduction would be effective given projected climate change. To this end, catchment-
scale biophysical models were applied within a common framework to quantify the integrated effects
of projected changes in climate, land use (including wastewater inputs), N deposition, and water use
on river and lake water quantity and quality for the mid-21st century. The proposed land use changes
were derived from catchment stakeholder workshops, and the assessment quantified changes in mean
annual N and P concentrations and loads. At most of the sites, the projected effects of climate change
alone on nutrient concentrations and loads were small, whilst land use changes had a larger effect
and were of sufficient magnitude that, overall, a move to more environmentally focused farming
achieved a reduction in N and P concentrations and loads despite projected climate change. However,
at Beyşehir lake in Turkey, increased temperatures and lower precipitation reduced water flows
considerably, making climate change, rather than more intensive nutrient usage, the greatest threat to
the freshwater ecosystem. Individual site responses did however vary and were dependent on the
balance of diffuse and point source inputs. Simulated lake chlorophyll-a changes were not generally
proportional to changes in nutrient loading. Further work is required to accurately simulate the flow
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and water quality extremes and determine how reductions in freshwater N and P translate into an
aquatic ecosystem response.

Keywords: water quality; eutrophication; Europe; Turkey; river; lake; nitrogen; phosphorus; chlorophyll

1. Introduction

Freshwater eutrophication due to nitrogen (N) and phosphorus (P) over-enrichment
is a major problem worldwide [1]. The eutrophication effects include biodiversity loss,
changes in aquatic plant assemblages, and increased primary production, leading to oxygen
depletion in rivers, lakes, and wetlands through the microbial decomposition of dead plant
matter. The increased nutrient flux from rivers to the sea can also cause estuarine and
coastal eutrophication [2].

N and P over-enrichment is associated with farm and farmland runoff and wastewater
effluent discharges, and N deposition can be important in upland areas [3]. Therefore, land
use change will affect eutrophication trajectories through changes in nutrient inputs, source
areas, and transport pathways [4]. Climate change threatens to worsen eutrophication
through increased precipitation intensity, increasing nutrient loss, and lower summer
precipitation, causing lower flows which, in turn, reduce effluent dilution [5–7].

National and international policy has been implemented to reduce eutrophication,
with emphasis on measures for farm and farmland nutrient source control and transport
limitation and wastewater treatment. To inform policy development, multiple assessments
of the integrated impact of climate and land use change on eutrophication are needed to
determine the effectiveness of measures for nutrient source reduction and catchment reten-
tion, given projected changes in precipitation and air temperatures, with such assessments
accounting for hydrological change [5,6,8]. The evidence from model-based assessments of
eutrophication trajectories for different climate and land use scenarios continues to grow
and includes studies focused on individual catchments [9,10], with the recent consideration
of detailed sediment and phosphorus transport processes in small (<50 km2) catchments
and regional and global-scale assessments of total nitrogen (TN) and total phosphorus
(TP) fluxes using empirical and process-based models [11–14]. Collectively, these studies
demonstrate that major agricultural changes are needed to reduce freshwater nutrient
inputs, though uncertainty remains about the precise magnitude of the changes needed, es-
pecially in large catchments with a mix of nutrient sources and delivery pathways [4,11,15].
Furthermore, it is uncertain if plans to reduce nutrient loss will remain effective under
projected climate change. Thus, the aim of this study was to quantify how the catchment-
based changes, envisaged by stakeholders in nine study areas across Europe and Turkey
(referred to hereafter as the ‘study region’; Figure 1) in response to four socio-economic
storylines, would alter river and lake N and P concentrations and lake chlorophyll-a (chl-a)
concentrations, given projected climate change. The purpose is to provide an assessment
of whether land use changes, proposed by stakeholders in catchments representative of
key land use types in Europe and Turkey, will be effective to reduce stream and lake N
and P concentrations and lake chl-a concentrations or whether climate-induced changes in
water availability or flow pathways change will confound the effects from the proposed
land cover change. To achieve the study aim, four objectives were defined:

1. To apply, and assess the performance of, process-based, dynamic catchment water
quality models at nine sites for the simulation of daily river flow, nitrate (NO3

−-
N), and total phosphorus (TP), as well as the soluble reactive phosphorus (SRP)
concentrations in rivers and lakes and the lake chl-a concentrations.

2. To quantify how climate change alone will affect river N and P concentrations and
loads, using the current land cover (business as usual) and the down-scaled outputs
of three Global Circulation Model-Regional Climate Model combinations, driven by
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the A1B scenario, to provide projections of future climate (2031–2060) representative
of an ensemble mean and extremes.

3. To quantify how four scenarios of climate, land use, N-deposition and water use
change would affect river N and P concentrations and loads.

4. To quantify the effect of the four scenarios on lake chl-a concentrations for five of the
study areas, which include major lakes.
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The 2031–2060 period was chosen as the future period of interest, thought to be
sufficiently far into the future for discernable climate and land use change effects, yet not
so far into the future that agricultural changes were unrelated to current technologies.
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Through consideration of medium (50 km2) to large (c. 10,000 km2) catchments, the
study investigates how different nutrient sources and transport pathways dominate in
larger catchments and whether different land cover changes might be effective to reduce
nutrient loss in different geographic settings [14]. All model applications were performed
using a common modelling framework to provide consistency in the model performance
assessment and scenario application [17]. The models used account for N and P retention
in the river system through storage in groundwater and accumulation in the soil and bed
sediment (i.e., legacy P). With respect to the ecological consequences of eutrophication, silica
and the ratio of silica to P have been observed to control diatom growth and the balance
between diatoms and blue-green algae in phytoplankton assemblages [18]. However, silica
is not considered in this study as the focus is on understanding the links between climate
and land use change and the N and P response as a first step, and the silica data are not yet
as extensive as those for N and P.

2. Study Areas and Observational Datasets

Nine study sites were used to represent the climate and land-management types
found across the study region, and whilst this is not an exhaustive representation of the
all the different land use types present, it represents a trade-off between the resources
available to perform the work and the study of the key catchment types found from north
to south (Figure 1; Tables 1–3). Eight catchments were chosen because they had been
studied previously and had both significant datasets and previous model applications (i.e.,
Yläneenjoki, Hobøl, Tarland, Thames, Vltava, Arbúcies, and Beyşehir), or had been the
focus of socio-economic studies of catchment interventions to reduce freshwater nutrient
concentrations (i.e., Louros). Of the nine sites, the stream water N and P concentrations
and loads were modelled in eight catchments (i.e., all except IJsselmeer), and of these eight,
four of the catchments included lakes (Table 3). The lake N, P, and chl-a concentrations
were modelled for these. IJsselmeer was included as one of Europe’s largest lakes with
extensive algal and zooplankton monitoring and because a lake model was already set-
up [19]. However, simulating the effect of land use change in the River Rhine, which flows
into IJsselmeer via the River Ijssel, was beyond the project resources and the input N and
P concentrations under the scenarios of land cover change were used from a previous
project [16,19]. Across the nine sites, the NO3−-N concentrations were higher in the north
than the south, and these correlate weakly and non-significantly with the percentage of
arable agriculture (Spearman’s, r = 0.37, n = 6, p = 0.25); stream water TP concentrations
also correlated weakly with the percentage of arable agriculture (r = 0.37, n = 5, p = 0.23).

2.1. Yläneenjoki-Pyhäjärvi

Lake Pyhäjärvi (154 km2) is a large, shallow, mesotrophic lake in SW Finland with
a mean depth of 5.5 m and a deepest point of 26 m (Figure 1; Table 1). The lake is used
for water supply and recreation, and increased eutrophication of the lake has been a
major concern since the late 1980s as cyanobacteria blooms have become more frequent.
Two major rivers, the Yläneenjoki and the Pyhäjoki, discharge into the lake. The Yläneenjoki
river basin is considerably larger (233 km2) than the Pyhäjoki (78 km2) and is considered
in this study (Table 1). The land use in the Yläneenjoki is mainly managed forest, arable
(spring cereals and root crops), and grassland agriculture.
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Regular monitoring of the water quality of the river Yläneenjoki started in the 1970s.
The nutrient load into Lake Pyhäjärvi via the river has been estimated from the (generally)
fortnightly water sampling results and daily water flow records at the Vanhakartano mea-
suring site. The water quality was monitored on a monthly basis at three additional points
in the main channel in the 1990s and in 13 tributaries flowing into the Yläneenjoki [22].

2.2. Vansjø-Hobøl

The Vansjø-Hobøl catchment (690 km2) in southeastern Norway is in one of Norway’s
most agricultural regions. This, together with P-rich clay soils, has led to a long history
of eutrophication and problematic cyanobacteria blooms in lake Vansjø, the main lake
in the catchment. The Hobøl River is the main tributary to Lake Vansjø (sub-catchment
301 km2). Lake Vansjø is used for drinking water and hydropower generation and is
an important recreational area. The lake has a surface area of 36 km2 and consists of
several sub-basins, the two largest being Storefjorden (eastern basin) and Vanemfjorden
(western basin; Tables 1 and 2). The Storefjorden basin flows into the Vanemfjorden basin
through a shallow channel and, ultimately, the Vansjø-Hobøl catchment discharges into the
Oslo Fjord.

The observed daily meteorology data for Lake Vansjø were obtained from the Norwe-
gian Meteorological Institute from stations located between Vanemfjorden and Storefjorden.
The daily flow data were obtained from the Norwegian Water Resources and Energy
Directorate, NVE) gauging station at Høgfoss.

The river TP and suspended sediment data are monitored downstream of Høgfoss,
at Kure [34]. For the Vanemfjorden and Storefjorden lake basins, water chemistry data
and temperature profiles are monitored by Bioforsk and NIVA and available via https:
//vannmiljo.miljodirektoratet.no/ (last accessed on 10 January 2022). Land use mapping
for the Vansjø-Hobøl catchment was provided by the Norwegian Forest and Landscape
Research Institute and complemented by a report on the fertilization regimes of agricultural
fields [35]. The historical nutrient outputs from the sewage treatment plants were obtained
from the online database KOSTRA (http://www.ssb.no/offentlig-sektor/kostra, accessed
on 10 January 2022). P loadings from scattered dwellings were taken from an online
GIS information system maintained by Bioforsk (http://www.bioforsk.no/webgis, last
accessed on 10 January 2022). The land use of the Vansjø-Hobøl catchment is dominated
by forestry (78%) and agriculture (15%), predominately cereal production (89%), with a
smaller production of grass (9.8%) and vegetables (0.7%). Together, agricultural practices
contribute an estimated 48% of the total P input to the river basin, followed by natural
runoff (39%), and wastewater treatment plants (WWTPs; 13%) [23].

2.3. Tarland Burn

The Tarland Burn tributary drains the most westerly area of intensive agriculture in
the River Dee catchment, northeast Scotland. The catchment has an area of approximately
74 km2 and the stream itself is around 17 km long. In 2008, the Tarland Burn was classified
as being of ‘moderate’ ecological status, primarily due to morphological alterations, namely
channel straightening and resultant loss or degradation of habitat. Water quality is also
of concern, primarily due to diffuse inputs of nutrients and sediments from agriculture.
Agriculture in the tributary comprises a mosaic of arable and grassland, including beef
cattle, sheep, barley, and small areas of other crops. The village of Tarland has a wastewater
treatment works (600-person input), and septic tanks are common. The Tarland has been
the focus of the Tarland Catchment Initiative since 2000. The initiative aims to provide a
scientific assessment of the efficacy of the various measures used to improve the aquatic and
riparian habitat, as well as build relationships with landowners and the local community.

For model calibration and testing, routine Scottish Environmental Protection Agency
(SEPA) monitoring data from Aboyne, near the catchment outflow, were supplemented
by data gathered by the James Hutton Institute (JHI; formerly Macaulay Institute) as part
of the Tarland Catchment Initiative. The discharge data were available at Aboyne from
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2003 to 2013 (SEPA) and from Coull, in the centre of the catchment, from 2000 to 2013
(JHI data). At Coull, daily and sub-daily (during storm events) water chemistry samples
were gathered for the period February 2004–June 2005. Fortnightly/monthly/bi-monthly
frequency sampling took place during the rest of the period of 2004–2010, both at Coull
and at other points within the catchment, including at SEPA’s routine monitoring site at
Aboyne. Hourly data were converted to daily means for hydrology and water quality
model calibration and testing [26].

2.4. River Thames

The River Thames is the principal river system in southern England and provides the
main water supply for London and drains an area of approximately 10,000 km2. The river
source is at Cricklade in the Cotswold Hills and the freshwater boundary downstream
at Teddington, below which the Thames discharges into the North Sea. The bedrock
geology varies from high-permeability chalk to low-permeability clays. The catchment is
predominantly rural in the upper reaches and becomes more urban further downstream. It
is heavily farmed, with approximately 36% of the catchment used for intensive agriculture,
and densely populated.

The water quality is characterised by high pH and high base cation concentrations
where chalk aquifers are present. The mean annual flow (1999–2008) ranges from about
1.5 m3 s−1 at Cricklade in the headwaters to 66 m3 s−1 at Teddington. Seasonally, high
flows normally occur in the winter and early spring (January to April) and low flows in the
summer and late autumn (July–November), with a significant groundwater component.
Mean rainfall for the catchment is approximately 700 mm year−1 (1961–1990 record) at
Teddington. Daily stream flow is measured at eight sites, and monthly stream water NO3

−-
N and SRP concentrations are measured at 17 sites on the main river channel. Data from
2001–2008 were used for the model calibration and testing [10,36]. The river is eutrophic
with significant algal blooms.

2.5. IJsselmeer

Lake IJsselmeer is the largest shallow lake in western Europe and was constructed by
the cutting off of the South Sea from the open ocean in 1932. Lake IJsselmeer provides fresh
water supply, recreation and fisheries and is classified as a NATURA 2000 site. The lake
has a surface area of approximately 1140 km2 and a mean depth of 4.5 m, but with some
gullies of approximately 10 m. The river IJssel, a distributary of the River Rhine with an
average discharge of 300 m3 s−1, is the main water input and the lake discharges to the
Wadden Sea through two sluices in the Afsluitdijk. The hydrodynamics of the lake are
wind-dominated. The retention period of the lake is approximately 3 to 4 months, and the
water-level is relatively stable at 20 and 40 cm below sea level during summer and winter,
respectively [19].

Data from the National Surface Water Monitoring Program were used, including data
on the daily river discharges and the nutrient concentrations (biweekly) to Lake Ijsselmeer
and from Ketmwt, Steilbk, and Vrouwzd from 2000 to 2013. Data from the water boards also
include direct discharges from wastewater water treatment plants and pumping stations
to the lake. Daily meteorological data were available daily from 1950 (precipitation and
temperature) and 1975 (radiation) to 2013.

2.6. Vltava-Orlík

The upper River Vltava catchment (12,116 km2) extends from the border mountain
range of the Bohemian Forest between the Czech Republic, Austria, and Germany to the
Orlík Reservoir, situated approximately 70 km south (and upstream) of Prague [28]. The
landscape is characterized by numerous artificial reservoirs. Most are shallow and were
created in the Middle Ages/early Modern Ages for fish production. Four large and deep
hydropower, water supply, and flood protection reservoirs were constructed by damming
the Vltava River and its tributaries during the second half of the 20th century (Lipno,

77



Water 2022, 14, 829

Orlík, Římov, and Hněvkovice). The bedrock of the catchment is mostly gneiss, mica-schist,
and granite. The main land cover classes are farmland, forest (>80% of Norway spruce
plantation), and urban area (Table 1), with farmland dominance (60%) below an elevation
of 600 m, and forest dominance (88%) at elevations greater than 900 m. The water quality
of the Vltava River has suffered from high P loading, mainly from point sources (WWTPs),
and from diffuse sources from agriculture and fishpond fisheries production. Exceedance of
the phosphorus concentration standards is the largest single reason for Czech water bodies
not reaching good ecological status as defined in the EU Water Framework Directive (WFD).

Land cover was determined from the current database of the Czech Republic (ZABAGED,
www.cuzk.cz, last accessed on 10 January 2022) and LANDSAT 7 ETM+ satellite images
(for 2007–2009). Land management (fertilization rate, livestock numbers, and crop yields)
and demographic data (population and wastewater discharges) for the period 1950–2010
were obtained from the Czech Statistical Office, with mean values at the district level
(approximately 1500 km2).

Daily hydrological data at the Orlík, Lipno, and Římov reservoirs (period 1961–2010)
and at 30 additional hydrological stations (10 to 25 years of data) were obtained from
the Czech Hydrometeorological Institute and the Vltava River Basin Authority. Daily
climate data were obtained from the Czech Hydrometeorological Institute for the period
of 1961 to 2010 for eight stations spread across the catchment. Monthly water quality
data were obtained from the Institute of Hydrobiology BC AV CR (BCAS) and from the
Czech Republic (CR) State Surface Water Quality Monitoring System. The BCAS datasets
include long-term monitoring data at the Římov and Lipno reservoirs. The CR datasets
include 25 stations distributed across the catchment with monthly sampling for 1975–2010.
In addition, the data from 194 stations for 2000 to 2009 are available from the Vltava River
Basin Authority. Atmospheric deposition data were derived from BCAS monitoring for the
upper mountainous part and the lower part.

2.7. Arbúcies

The Arbúcies river, a tributary of the La Tordera river, is situated by the coast of
Catalunya in northeast Spain, approximately 55 km northeast of Barcelona in the Montseny
mountain range (Figure 1). The Arbúcies (catchment area of 112 km2) is approximately
28 km long. Its headwaters in the west, at Font de Regàs, emerge from numerous springs,
from which water is bottled and commercially sold. At the small town of Arbúcies (6700 in-
habitants), around halfway down the river, a small sewage treatment plant discharges
into the stream and overflows of untreated sewage occur during heavy rainstorms when
treatment capacity is exceeded. The western part of the catchment is occupied by the
Montseny National Park, a biosphere reserve which has been protected since 1978. The
large altitudinal difference creates a mosaic landscape, with Mediterranean tree species
prevailing at lower altitudes and a sub-alpine climate with typically Central European
species and heather (Calluna vulgaris) heathlands at higher altitudes. The bedrock in the
area is mainly granitic. The catchment is mostly semi-natural, with 80% of it forested
(predominantly evergreen broadleaf). Agricultural areas are mainly near the river in the
valley plains, and a small (5 km2) extended plain at the bottom of the catchment, near the
confluence with La Tordera, comprises more than half of the total agricultural area in the
catchment [29]. Infiltration in the stream bed can occur during the dry summers, causing
the stream channel to dry out.

There is one gauging station approximately 3 km upstream of the confluence with La
Tordera where flow was measured daily from October 1994 to March 2011. There are three
Catalan Water Agency (ACA) sites with chemistry observations in the catchment, including
NO3

−-N, NH4
+-N, and PO4

3−-P concentrations. Between 1995 and 2006, samples were
taken at a site at Hostalric, near the confluence with La Tordera. The sampling frequency
was irregular, approximately monthly during the period of 1995–2002 and seasonally from
2003 to 2006. In 2007, the sample site was moved to the gauging station, and an additional,
new site located 3 km upstream of the Arbúcies was started. These sites were sampled
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seasonally from 2007 to 2011. Each sample was analysed for NO3
−-N, NH4

+-N, and
phosphate (PO4

3−-P) and also for TP for the period of 2000–2006.

2.8. Louros

The Louros river (977 km2) is a Mediterranean river situated in the Epirus region
in the western part of the Greek mainland (Figure 1). The river emerges from a spring-
fed lake (Terovo, 300 masl) near the mountain of Tomaros, which has an elevation of
almost 2000 masl. The river is fed by numerous springs on its course to the sea, the
largest one being close to the village of Agios Georgios, approximately halfway to the
outlet. Downstream of Agios Georgios is a small hydroelectric dam. The river then flows
through an agricultural plain before it discharges in the Amvrakikos Gulf, a Ramsar and
Natura 2000 site. The approximate total length of the river is 73 km, and the mean annual
discharge is approximately 24 m3 s−1. The catchment is largely rural and relatively sparsely
populated; the largest settlements are the towns of Fillipiada (8400 inhabitants) and Louros
(5200 inhabitants). A large part of the catchment is mountainous with steep slopes and
sparse vegetation, but a substantial part of the lowland is arable land. The Louros provides
water for irrigation of about 120 km2 of cultivated land. In the region, more than 100 large
and small agriculture industries and fish farms are operating. Water is also taken for
drinking water supply and industrial uses. It receives treated domestic effluent and effluent
from light industrial activities, including meat processing, abattoirs, and pig farms, and
a small quantity of olive mill wastewater, mostly during the autumn and early winter
months [30].

The only available discharge data is from a dam outlet from a hydroelectrical power
plant. From the dam, the water outflow is regulated by a sluice, from which the water
flows to the plant turbines. Dam overflow typically happens once or a few times each
year, and the recorded discharge is the sum of the flow through the turbines and the dam
overflow. Discharge here is thus partly regulated by the capacity at which the power plant
is operating. However, the dam is shallow and has limited storage capacity (an approximate
retention time of one day) and therefore provides a reasonable approximation of river flow.

For the water chemistry observations, different data sources were available from
agencies and the scientific publications and projects of the University of Patras, Department
of Biology (UPAT-BIO). The data are from a number of sites, generally with sampling at
monthly to seasonal frequency and for a maximum of 3 years for any given site [30,37].

2.9. Beyşehir

Lake Beyşehir is the largest freshwater lake in Turkey. The lake is located in the
southwest of the country (Figure 1) and is primarily fed by waters from the Sultan and Ana-
mas mountains. The relatively high-altitude (1050–3000 masl) catchment (area 4600 km2,
consists mostly of range land (48%) and agriculture (30%), the latter mostly wheat, bar-
ley, chickpeas, or sugar beet. The trophic status of the lake is within an oligotrophic to
mesotrophic range, with low phytoplankton biomass and nutrient concentrations [31]. The
lake is used for irrigation and aquaculture and is a national park.

Few discharge or water chemistry data were available for the lake, and so, these
were collected as part of this study. Daily discharge was measured in five tributaries
from May 2010 to April 2012, supplemented with monthly data from 1995–2001. For both
main tributaries and in-lake stations, conductivity, total dissolved solids estimate (TDS),
pH, dissolved oxygen, temperature, and salinity were measured in the field using a YSI
556 MPS multi-probe field meter (YSI Incorporated, Yellow Springs, OH, USA). Water
samples from 14 tributary channels (13 inflows and one outflow) and from two stations
within the lake were collected to measure monthly TN, nitrite-nitrate (NO2

−-NO3
− as N),

(NH4
+-N), TP, SRP, alkalinity, and total suspended solids. From the lake stations, water

samples were collected using a Ruttner sampler covering the entire column, and these
water samples were also used for chl-a and plankton analysis. In addition, Secchi disc
depth and maximum water depth was measured at each sampling period. To determine TP,
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the acid hydrolysis method was used, and to determine SRP, filtered water was processed
using the molybdate reaction method [38]. N analysis was performed using the Scalar
Autoanalyzer Method (San++ Automated Wet Chemistry Analyzer, Skalar Analytical, B.V.,
Breda, The Netherlands). The chl-a was measured spectrophotometrically after using the
ethanol extraction method [39].

3. Materials and Methods
3.1. Modelling Workflows

Most of the catchment biophysical simulations were performed with the INCA-N [40]
and INCA-P [27] models (Table 4). SWAT [41] was used at Beyşehir and Stream-N [42] was
used in addition to INCA-P for the Tarland Burn because these model applications were
well developed with good representation of the catchment N and P sources and transport
pathways. Similarly well-established lake models were used and drew on existing work.
Three lake models were used to simulate the nutrient and chlorophyll dynamics in Lake
Beyşehir, (DYRESM-CAEDYM [43,44], PROTECH [45] and PCLake [46]), two were used
for Lake Pyhäjärvi (Lake Load Response model [47], MyLake [48]), one for Lake Vansjø
(MyLake) in the Hobøl catchment, and one for the Orlík reservoir (CE-QUAL-W2 [49]) in
the Vltava catchment (Table 3). Delft3D was applied to simulate the effects of climate and
nutrient changes in the IJsselmeer.

Table 4. Summary of catchment and lake models applied at each study site and references to the
individual model applications.

Catchment Catchment Models
Applied Lake Lake Models Applied Model Application

Reference

Yläneenjoki (FIN) INCA-N, INCA-P Pyhäjärvi Lake Load Response, MyLake [20–22]

Hobøl (NOR) INCA-N, INCA-P Vansjø MyLake [23–25]

Tarland (GBR) Stream-N, INCA-P - - [26,27]

Thames (GBR) INCA-P - - [10]

Vltava (CZE) INCA-N, INCA-P Orlík reservoir CE-QUAL-W2 [28]

Arbúcies (ESP) INCA-N, INCA-P - - [29]

Louros (GRC) INCA-N, INCA-P - - [30]

Beyşehir (TUR) SWAT Beyşehir DYRESM-CAEDYM, PROTECH, PCLake [31–33]

IJsselmeer (NLD) None IJsselmeer DELFT-3D, HABITAT [19]

Once calibrated and tested (Section 3.2), the models were run for a baseline period of
1981–2010 and then for a scenario period of 2031–2060. The difference in the mean flow
and concentrations simulated for the scenario and baseline periods were used to derive
percentage changes. Model calibration was conducted using MCMC-DREAM at the Hobøl
and Tarland and manually elsewhere [50].

3.2. Model Performance—Calibration and Testing

All the models were calibrated and tested using a split sample, apart from the DELFT-
3D model for Ijsselmeer, which was calibrated for one year (2006). Model performance was
assessed using target diagrams of Normalised Root Mean Square Difference between the
simulation and observation (RMSD’*(σ)) and the normalised bias, (Bias*) (Figures 2–4) [51].
Normalisation is by the standard deviation of the observations. Target diagrams allow
for a quick visual comparison, on a common scale, of model performance for a range of
determinands. The normalised bias is positive when the modelled output overestimates the
observations and negative for a general underestimation. A perfect model fit would result
in a zero bias. The RMSD’*(σ) is positive if the variance of the modelled output is less than
the variance of the observed data and zero when the two variances equate. To help visual
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interpretation, two circles are drawn on the plots about the point (0, 0) with radii of 0.7 and
1.0. Simulations resulting in points inside the smaller circle were described as ‘excellent’ fits,
whilst those that lay between the larger and smaller circle were considered ‘good’. These
diagrams were used alongside a visual comparison of the modelled and observed patterns
in flow, stream water NO3

−-N, TP, and SRP concentrations and lake chl-a concentrations,
estimates of model performance using the co-efficient of determination (r2), and the use
of RMSD’*(σ) and the normalised bias calculated from modelled loads [10,22,28,31]. TP
captures both particulate and solute phosphorus dynamics, and SRP is a measure of the
phosphorus assumed to be biologically available.
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3.3. Climate Change Projections

Three climate model-regional climate model combinations were used: ECHAM5-KNMI
(abbreviated to KNMI in this text), HadRM3P-HadCM3Q0 (HadRM3), and SMHIRCA-BCM
(SMHI) [52]. These combinations were selected because they show the best agreement with
observations (KNMI) or tend to emphasize a move to hot and dry (HadRM3) or wetter
(SMHI) conditions. The modelled projections from KMNI are close to the ENSEMBLES
average (http://ensembles-eu.metoffice.com/, last accessed on 10 January 2022). HadRM3
represents one extreme in the ensemble, producing warmer, drier summers. SMHI rep-
resents the other extreme, being relatively cold and wet. The A1B scenario was chosen,
and this represents rapid economic growth and balanced fossil and non-fossil fuel use
to satisfy energy requirements [53]. Data were extracted for a current climate baseline
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period (1981–2010) and a future period (2031–2060). The climate model output is generally
biased, and to take this into account and generate site-specific climate change projections,
we used the delta change method using monthly mean change factors. This simple bias
correction method assumes that the relative difference between the model baseline and the
model future is realistic, despite any bias, and it only corrects for a bias in the mean. Actual
evapotranspiration was estimated using the Penman–Monteith method and simulated
air temperature.
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3.4. Land Use, Atmospheric Deposition, and Water Use Projections

Land use change scenarios were derived for each catchment based on a local interpre-
tation of the four IPCC SRES Storylines A1, A2, B1, and B2 and local land use capability
for, and management of, agriculture and forestry. An interpretation of the land cover
change was performed by local catchment stakeholders through workshops held in six
of the catchments (Table S1). The storylines represent moves to food security in a heavily
competitive world (LU1), or domestic market scenarios (LU2), or more collaborative in-
ternational markets to promote global sustainability (LU3), and local stewardship based
on more green agricultural policies to help reduce nutrient losses (LU4). These map to the
IPCC SRES Storylines A1, A2, B1, and B2, respectively. For the ‘world’ (LU1) and ‘domestic’
(LU2) market scenarios, it is assumed that crops are grown wherever land capability for
agriculture supports this. The N deposition change under the four storylines was derived
from EMEP (European Monitoring and Evaluation Programme, http://www.emep.int/,
last accessed 10 January 2022) using a combination of measured and modelled emissions
and meteorological data, the projected land use, and a chemical transport model developed
at the Meteorological Synthesizing Centre-West (MSC-W). Water use, in each storyline, was
estimated from projected farm practice and population growth estimates. A summary of
the climate and land use scenarios, the latter of which incorporates the N deposition and
water use projections considered at each study area, is presented in Table S2 and varies
in the number of scenarios considered due to the resources available in each study area,
though at all sites the climate scenario which was most like present-day (KNMI at most
sites, but HadRM3 in Scotland) was considered along with at least a ‘best’ (LU3 or LU4)
and a ‘worst’ (LU1 or LU2) land use scenario.
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4. Results
4.1. Model Performance and Uncertainty Evaluation

The evaluation of the model performance demonstrated that all the catchment models
produced a generally excellent representation of the observed flows, measured at the most
downstream gauging station in each demonstration catchment (Figure 2a; RMSD’*(σ):
−1.0 to 0.7; Bias*: −0.1 to 0.1). This was true for both the model calibration and the test
periods. There was little bias in model calibrations for flow, though the modelled flows
tended to have a smaller variance than the observed flows as the extreme low and high
flows were not simulated well. Differences in the performance between INCA-N and
INCA-P arose due to the different calibration and test periods used in the applications of
the two models to match the available stream water NO3

−-N, TP, and SRP data [20–22].
The simulations of the stream water NO3

−-N, TP, and SRP concentrations were satis-
factory in general, though in all cases they were better at describing the seasonal (monthly)
variations in concentrations than the daily extremes [10,18,22,23,26,28,30,31]. There was an
apparent deterioration in the model performance during the testing (Figures 2 and 3), and
this suggests that conditions were present in the test period which were generally not seen
in the calibration period across all sites. Building models that adequately represent the flow
and concentration extremes for rivers and lakes remains challenging due to issues around
adequate characterization of the model inputs, the representation of catchment water and
pollutant storage and transport, and the complex and multiple lake ecosystem interactions.

The simulations of the observed stream water nitrate concentrations (RMSD’*(σ):
−1.0 to 1.0; Bias*: −0.4 to 0.8; Figure 2b) were better than those of the observed stream
water TP (RMSD’*(σ): −1.2 to 0.4; Bias*: −0.5 to 0.1; Figure 3a) and SRP concentrations
(RMSD’*(σ): −1.2 to 1.2; Bias*: −0.8 to 1.9; Figure 3b). There were too few stream wa-
ter NH4

+-N concentration data for a meaningful comparison of the model performance
between sites. The highest TP and SRP concentrations, which typically coincide with
the highest flows, were underestimated. The observed seasonal patterns in the PO4

3−-P
concentrations in the catchments draining to the Orlík reservoir were well represented by
the lake models but again not in terms of the extremes [28]. The chl-a concentrations at Lake
Beyşehir, Lake Vansjø, and the Orlík reservoir appear to be simulated poorly (RMSD’*(σ):
−1.2 to 1.2; Bias*: −0.4 to 0.5; Figure 4); however, a closer inspection of the simulated chl-a
concentration time-series for these shows that the seasonal patterns in chl-a concentration
were modelled well, though the models do not reproduce the exact timing and magni-
tude of peaks in the chl-a concentrations, leading to poor values of the RMSD’*(σ) and
normalised bias [23,28,31]. As when simulating the stream water NO3

−-N, TP, and SRP
concentrations, due to the complex, time-varying nature of the controlling factors, it was
difficult to capture the precise timing and magnitude of algal blooms. Thus, dynamic lake
P and chlorophyll models were used only to explore the general trends in mean annual
concentrations and seasonal patterns in concentrations and algal growth [54]. The coeffi-
cients of determination, where calculated, show the same results as for the RMSD’*(σ) and
normalised bias; namely, the general seasonal patterns in the flow, stream water NO3

−-N,
TP, and SRP concentrations and the lake chl-a concentrations are well represented, but the
extremes are not [10,22,28,31].

4.2. Projected Change in Hydrology

All three GCM-RCM models predict a rise in temperature over the region, with
HadRM3 consistently and significantly higher than the others, with a mean rise of 2.2 ◦C
between the baseline (1981–2010) and scenario (2031–2060) periods, followed by KNMI
(1.4 ◦C) and SMHI (1.0 ◦C) (Figure 5). This is the order generally observed for these models
and for the CMIP5 models for the simulations of European climate change [55]. There is a
general north–south gradient, with the greatest temperature rises in the south, though the
differences between the models are generally greater than the differences between the sites
(Figures 5 and S1). Finland is an exception, with a higher temperature rise (+1.3 to +3.0 ◦C)
projected than in Norway or the UK.
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Figure 5. (a) Absolute change in air temperature and percentage change in (b) precipitation and
(c) river flow, for the period 2031–2060 relative to the baseline period 1981–2010. Sites are arranged
north to south along the x-axis. Climate models were: ECHAM5-KNMI (blue); SMHIRCA-BCM (red);
and HadRM3P-HadCM3Q0 (orange). Blank columns indicate that the GCM-RCM combination was
not used for a study site.
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The northern sites of the Hobøl, Yläneenjoki, and Tarland generally have a small
increase in precipitation, and the increase in air temperature, and therefore evapotranspira-
tion, almost balances the precipitation increase, leading to a small percentage increase in
discharge or even a slight reduction in some model-site combinations (Figures 5 and S2).
HadRM3 produces the largest decreases in simulated discharge in the south and KNMI
the smallest. For precipitation, there is a distinct north–south divide, with small increases
in the north and mid-latitude sites and large decreases in the south at the Louros and
Beyşehir (Figure 5). At the Arbúcies, there is considerable variability between the models
with HadRM3 predicting a 17% decline in precipitation and SMHI a 15% increase. This
reflects the issues around the robust simulation of precipitation in mountains and confirms
the need to use an ensemble of GCM-RCMs or selected combinations that represent the
median, wet, and dry extremes. All models concur, however, in predicting substantial
decreases in precipitation in the Louros and Beyşehir.

The greatest declines in mean annual river flow occurred at the southern catchments,
of the order of −16 to 38% at the Arbúcies, the Louros, and Beyşehir (Figure 5c). These sites
had a large percentage decrease in precipitation (Arbúcies: −16% HadRM3 only; Louros:
−7 to −13%; and Beyşehir: −12% to −20%) and higher temperatures (approximately
+2 ◦C), which exaggerated the flow change due to increased summer evapotranspiration.
Elsewhere, the changes in the flows were smaller and the mean annual flow tended to
increase marginally (0–15%). To understand the flow changes, seasonal effects need to be
considered. At the Arbúcies, for instance, KNMI predicts a 2% increase in precipitation,
but a 14% increase in discharge is simulated. The greater increase in discharge compared to
precipitation occurs because there is less summer precipitation but an increase in winter.
Lower winter evapotranspiration means winter precipitation is more effective in generating
runoff and replenishing soil moisture, hence the discharge increase. Similar, though less
spectacular, effects are probably occurring at all the sites. At the Tarland Burn, for instance,
KNMI, HadRM3, and SMHI all predict decreased summer and increased winter rainfall,
resulting in an overall mean annual flow change of less than 6%. The HadRM3 model
predicts a large decline in annual precipitation in the western Mediterranean, with a
resultant 38% decline in discharge simulated at the Arbúcies in contrast to the simulations
based on the KNMI and SMHI outputs, in which a 14 and 10% discharge increase was
projected. This highlights greater uncertainty in the projected flow and water quality
response at this mountainous site. In all cases, land use change had minimal impact on the
simulated mean flows relative to climate (Figure 6).

4.3. Projected Change in River Nutrient Concentrations and Loads: Climate Change Only

This section reports the modelled effects of climate change alone (‘climate’ in Figures 7–9).
In these analyses, changes in the mean concentration of 5% or less were assumed marginal
and not indicative of any change. NO3

−-N concentrations were projected to generally
decline due to climate change alone, but the changes are small, being more than −10%
only at Tarland Burn and Beyşehir (Figure 7). The NO3

−-N loads show both marginal
increases and decreases under climate change alone, depending on the site and climate
model (Figure S3). Whilst the moderate increases in NO3

−-N concentration and load are
likely due to increased precipitation during winter; it is not easy to pinpoint the causes of
the lower NO3

−-N concentrations, though reduced leaching due to reduced water flux is
one factor where hydrologically effective rainfall declines, and increased denitrification
and plant uptake could be contributing factors.
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Figure 6. The percentage change in stream flow at each of the study areas between the baseline
(1981–2010) and future (2031–2060) periods due to climate change (climate) and combined climate
and land cover change (LU1–4). Blank columns indicate that the GCM-RCM combination was not
used for a study site.
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Figure 7. The percentage change in stream water nitrate concentration at each of the study areas
between the baseline (1981–2010) and future (2031–2060) periods due to climate change (climate) and
climate and land cover change (LU1–4). Blank columns indicate that the GCM-RCM combination
was not used for a study site. A ‘0’ denotes a percentage change of zero.
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Figure 8. The percentage change in stream water (a) total phosphorus and (b) soluble reactive 
phosphorus concentration at each of the study areas between the baseline (1981–2010) and future 
(2031–2060) periods due to climate change (climate) and climate and land cover change (LU1-4). 
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Figure 8. The percentage change in stream water (a) total phosphorus and (b) soluble reactive
phosphorus concentration at each of the study areas between the baseline (1981–2010) and future
(2031–2060) periods due to climate change (climate) and climate and land cover change (LU1–4).
Blank columns indicate that the GCM-RCM combination was not used for a study site. A ‘0’ denotes
a percentage change of zero.
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trend in observed stream water TP concentrations from 1990–2010, and this was simu-
lated by INCA-P [24]. Under climate change alone, the simulated stream water TP con-
centrations and loads continue to decrease due to these measures. The increased lake TP 
concentration under climate change alone suggests accumulation of TP in the lake or a 
possible internal source from the bed sediment, though this is not well resolved in the 
MyLake model [24]. 

SRP showed much larger effects than TP for climate change alone, both positive and 
negative, and the effects depended much more strongly on the climate model (Figure 
8a,b). The highest SRP concentrations were found in the Thames, where the large popu-
lation generates substantial SRP in wastewater. Second highest, perhaps surprisingly, 
was Beyşehir because the low specific runoff appears to make the lake water more con-
centrated. Concentration changes due to climate alone ranged from 39% increases at the 
Vltava to 33% decreases at Beyşehir, both with the HadRM3 Model. The increase at the 
Vltava is consistent with less dilution of the wastewater inputs, and the decreases at 
Beyşehir show that the P is not derived from a fixed volume source such as wastewater 
but is being leached from the land. Changes at the Tarland Burn and the Thames in con-
trast are very small. At the Yläneenjoki in Finland, SRP declines even though TP in-
creases. This is likely to be because with greater discharge the soil erosion increases, 

Figure 9. The percentage change in lake chlorophyll-a concentration at each of the study areas
between the baseline (1981–2010) and future (2031–2060) periods due to climate change (climate) and
climate and land cover change (LU1–4). The Tarland, Thames, Arbúcies, and Louros study areas do
not contain lakes. A ‘0’ denotes a percentage change of zero.

The changes in TP concentration due to climate alone were mostly small increases
(1–10%) except for the HadRM3 simulations at the Arbúcies (40%) and the Vltava (20%).
The latter had the highest TP concentrations to start with due to the mixture of TP inputs
from agricultural, wastewater, and fish farming (Figure 8a). The increases in the Vltava
and Arbúcies occur primarily in the summer months and are associated with low flow
situations, indicating that they are due to less dilution of the wastewater inputs. At the
Vansjø-Hobøl in Norway, in contrast, the stream water TP concentration and load declined
with climate change, but in the lake, the TP concentration increased (not shown). This
is a curious result that contrasts with other sites where stream water TP concentration
increases when higher precipitation is projected under climate change. At the Vansjø-Hobøl,
the reduced fertiliser rates, vegetated buffer strips, constructed wetlands, and improved
wastewater treatment that are already in place have led to a declining trend in observed
stream water TP concentrations from 1990–2010, and this was simulated by INCA-P [24].
Under climate change alone, the simulated stream water TP concentrations and loads
continue to decrease due to these measures. The increased lake TP concentration under
climate change alone suggests accumulation of TP in the lake or a possible internal source
from the bed sediment, though this is not well resolved in the MyLake model [24].

SRP showed much larger effects than TP for climate change alone, both positive and
negative, and the effects depended much more strongly on the climate model (Figure 8a,b).
The highest SRP concentrations were found in the Thames, where the large population
generates substantial SRP in wastewater. Second highest, perhaps surprisingly, was Beyşe-
hir because the low specific runoff appears to make the lake water more concentrated.
Concentration changes due to climate alone ranged from 39% increases at the Vltava to
33% decreases at Beyşehir, both with the HadRM3 Model. The increase at the Vltava is
consistent with less dilution of the wastewater inputs, and the decreases at Beyşehir show
that the P is not derived from a fixed volume source such as wastewater but is being leached
from the land. Changes at the Tarland Burn and the Thames in contrast are very small.
At the Yläneenjoki in Finland, SRP declines even though TP increases. This is likely to be
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because with greater discharge the soil erosion increases, leading to an increase in PP. Soil
erosion is a recognised problem in this catchment. In catchments where agriculture is the
major nutrient source, with climate change alone, the loads tend to change in proportion
to the change in water flux, whereas concentrations can increase (e.g., TP and SRP at the
Vltava due to increased winter transport by storms and reduced summer dilution), remain
constant (nitrate at the Tarland), or even decline, as at Beyşehir where the reduction in SRP
is approximately 40 to 50% and 20 to 40% for nitrate (Figures S3–S5).

4.4. Projected Change in River Nutrient Concentrations and Loads: Integrated Scenarios

In contrast to river flow, the additional effects of land use changes on river nutrient
concentrations are larger than those of climate alone. In general, and given projected climate
change, the land use changes representing the “sustainable production” storyline (LU3)
reduce nutrient concentrations and loads, and those from the “intensification” storylines
(LU1 and LU2) increase them (Figures 6–8). The response is more nuanced for “local
stewardship” (LU4), depending on the local interpretation of the scenario, and in some
cases, ‘greener’ agricultural practice lowers the nutrient concentrations, whilst in others
the nutrient concentrations increase in response to increased fertiliser use to improve local
yields (e.g., the Vltava, Figures 6–8). For all four scenarios, there are also considerable
differences in response between sites, reflecting the local mixture of nutrient sources
(e.g., agriculture versus wastewater). In most cases, the nutrient concentrations react in the
same way independently of the climate model used, but in some instances (notably at the
Louros for SRP), the differences between the predictions using different climate models are
greater than those between the land scenarios (Figures 6–8).

The modelled changes in NO3
−-N concentrations are greater when there is land

use change as well as climate change, except at Beyşehir and the Louros (where all the
changes are small; Figure 7). At these sites, the NO3

−-N concentrations decline in virtually
all scenarios, whereas further north there is a mixture of responses depending on the
scenario, with in general, the “Environmental” scenarios (LU3, LU4) generating reductions.
At the Vltava, the LU4 scenario, however, generated an increase in N as this scenario
has a higher proportion of arable land (Table S1). The percentage changes in NO3

−-N
concentrations are generally smaller than those of the TP or SRP concentrations, except at
the Yläneenjoki, which may be because the land use scenarios in that catchment involve
increases in agricultural area for LU1 and LU2, an increase in vegetation cover during
winter (LU3), and the conversion of approximately 15–20% of arable land to forest (LU4;
Figures 6–8; Table S1).

For TP, the modelled changes in concentration and load are also greater when there
is land use as well as climate change (Figures 8a and S4). Clearly the effects of the land
use changes will depend on the magnitude of the change modelled, but both the climate
and the land use changes are best estimates of the likely scenarios; so, it seems valid to
compare them. The “Economic” storylines (LU1 and LU2) usually lead to TP increases,
whereas the “Environmental” storylines (LU3 and LU4) lead to declines. However, at the
Vltava, the LU2 scenario leads to a decline as well, and at the Louros all scenarios lead to P
increases where all scenarios involve an increase in agricultural production to some degree.
At the Vansjø-Hobøl, the wetter projected futures (HadRM3, SMHI) result in an increase
in TP concentration as the projected land use changes are unable to prevent TP transfers
from land to stream during storms. At the Arbúcies catchment, the TP increases in the
“Economic” scenarios are very large (Figure 8a). This is due largely to assumptions about
population growth (larger in these scenarios) and the effectiveness of the sewage treatment
works (poorer in the “Economic” scenarios due to lax regulation and smaller investment);
here, the effects of agriculture are minor by comparison.

On the Thames, both the land use changes (LU1 and LU2) involve an increase in
intensive agriculture and hence SRP output (Figure 8b). LU3 and LU4 represent the same
land use change but with the construction of a reservoir, which changes the seasonal
flow pattern but has only a small effect on annual P concentrations. Climate change
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alone has almost no effect on SRP concentrations in the Thames (Figure 8b). At Beyşehir,
the SRP concentrations decline in all scenarios, in tandem with the reduction in water
discharge. This includes the climate-change-only scenario and indicates less leaching
from a catchment source. The “Environmental” scenarios have greater reductions. At the
Vltava, for LU1, the change in SRP followed a similar pattern to TP, but the percentage
changes were generally greater, again reflecting the importance of the sewage treatment
works in this catchment. At the Finnish site of the Yläneenjoki, the pattern of change in
SRP was strikingly different from that of TP, with the economic scenarios generating a
larger reduction than the environmental scenarios. It is not clear which features of the
catchment or scenario modelling are causing this. For SRP, the pattern whereby land use
change has a greater effect than climate change is not as general as with TP. At Beyşehir,
the modelled changes due to climate change are large; so, the agricultural changes have
less effect relatively.

4.5. Projected Change in Lake Nutrient and Chlorophyll Concentrations

Mostly, the changes in nutrient concentrations in lakes due to climate change are only
quite small and are smaller than the relative concentration changes in the rivers that feed
the lakes [56]. The differences between the predictions of the GCMs are small too. This may
be because lakes have mechanisms that buffer concentrations, such as longer residence
times and P release from sediments and denitrification, and these reduce the differences
between scenarios. Changes in discharge also tend to reduce the differences between
scenarios, making lake loadings less variable than the concentrations. The exception is
Beyşehir, where reductions in both river discharge and river concentration cause a large
change in load (Figures S3 and S5) [32]. The changes in river discharge in the Yläneenjoki,
Hobøl, and Vltava are small (1–10%), which makes the input loads of P and N less variable
than the concentrations (Figures S3–S5).

Generally, those land use changes designed to reduce lake TP concentrations do so,
sometimes considerably, and the pursuit of the “Economic“ land use scenarios increases
concentrations [56]. The differences between the GCMs are reduced compared to those in
the driving variables, with little consistent pattern. At Pyhäjärvi, the SMHI model leads
to smaller changes than the other models, except with LU4. The lake SRP concentrations
show a higher percentage of change than for TP at Vansjø-Høbol and the Vltava. In the
Vltava catchment (the Orlík Reservoir), the TP increases mostly occur in summer and are
associated with low flow situations and lower dilutions of wastewater inputs. In Vansjø-
Høbol, the nutrient retention measures employed are responsible for the increases and
decreases of SRP [23,56]. In the Orlík reservoir (Vltava), the phosphorus concentrations
were highest in the LU1 scenarios, exceeding the 1991–1995 state by approximately 60%,
which is more than the corresponding increase in the inflow concentrations. In contrast,
the LU3 scenarios showed a smaller decrease than that in the TP and SRP concentrations in
the inflow. This suggests that the P retention in the reservoir is controlled by a non-linear
function of P loading that is apparently also influenced by the changes in the seasonal
hydrological pattern and/or climate variables.

Changes in the chl-a concentration due to land use are generally considerably greater
than those due to climate change alone (Figure 9); however, the projected chlorophyll
changes are less certain than the other variables. In the northern catchments, Lake Py-
häjärvi in Finland and lake Vansjø in Norway, climate change leads to a small (5–10%)
increase in chl-a, intensification land use scenarios produce a further large (30–55%) in-
crease, and sustainable production land use scenarios lead to a reduction (between 1 and
20%; Figure 9). In each case, the changes closely mirror those of TP. Temperature-induced
increases in algal growth cause an increase in chl-a at the IJsselmeer due to climate change
alone, whereas a move to sustainable production leads to a 35% reduction in primary pro-
ductivity due to decreased external nutrient loading. The IJsselmeer simulations show that
higher temperatures increase stress on Dreissena polymorpha (Zebra mussel) and Osmerus
eperlanus (European smelt), reducing food availability for benthivorous and piscivorous
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birds. At the central European site of Orlík Reservoir (Vltava), a 6–17% chlorophyll decrease
due to climate change is attributed to increased P retention in the reservoir due to lower
summer flows and higher delivery due to increased winter flows, and land use changes
generally caused a 6–32% decrease in chl-a, even when TP increased, again most likely
due to increased P retention in the reservoir. Finally, at Beyşehir, the changes in chl-a are
largely negative (c. −10%) due to reduced nutrient loading and water flux, and the chl-a
changes are substantially smaller than the changes in the water (−16 to −31%) and nutrient
(1 to −45%) inputs. At both the Vltava and Beyşehir, there are considerable differences in
chl-a concentrations in response to different climate model projections, with the response
to KNMI forcing showing a mix of small (0 to 3%) increases and decreases and more
consistent and larger decreases (4–17%) in response to SMHI and HadRM3 forcing. Again,
this highlights a different lake response, dependent on the driving variables of temperature,
precipitation, and discharge, and that HadRM3 has the largest effect on these.

5. Discussion
5.1. The Effect of Climate and Land Cover Change on Stream Water N and P Concentrations

The modelled outcomes suggest that large-scale land use change under “sustainable
production” scenarios will reduce nutrient concentrations and loads in general, and there
is no evidence that “sustainable production” changes would be less effective under a
future climate. In general, the modelled NO3

−-N concentration changes are greater when
there is land use change as well as climate change, except at Beyşehir and the Louros
(where all the changes are small). At these two sites, the NO3

−-N concentrations decline
in virtually all scenarios, whereas further north there is a mixture of responses depending
on the scenario with, in general, the “sustainable production” scenarios (LU3 and LU4)
generating reductions. At the Vltava, the LU4 scenario generated an increase in NO3

−-N
because this scenario has a higher proportion of arable land to provide food locally. For TP,
the modelled changes in concentration due to land use change are generally greater than
with climate change alone (Figure 8a). For SRP, land use change also generally causes a
greater change than climate alone, but at Beyşehir the change due to climate is substantial
(less precipitation and higher temperatures); so, the agricultural changes have relatively
little effect except for the move to global sustainability (LU4) that shows the greatest SRP
percentage decline for concentration. The percentage changes in the nitrate concentrations
are generally somewhat smaller than those of the TP or SRP concentrations, except at the
Yläneenjoki, where the localised land use scenarios involve large changes in agricultural
practice, including greater use of winter cover crops, and a high level of sewage treatment
of phosphorus is already in place. The result that ‘local stewardship’ can in some cases
increase stream and lake nutrient concentrations is important. This outcome highlights
that growing crops in areas with a greater capability for agricultural production, though
with higher energy requirements for transportation of crops to market, but with lower
nutrient input requirements, might be a more sustainable strategy overall than a focus on
local production where more nutrient inputs are needed to improve yields.

The changes in TP concentration due to climate change alone are mostly small, whereas
changes in SRP concentration are larger and more variable, both between sites and between
climate models. The differences seem mostly due to differences in the types of P source
present at each site. Where there is a substantial wastewater input, as at the Vltava site,
reducing water volumes increases the instream nutrient concentrations as wastewater
inputs are a reasonably constant volume and the reduced dilution of these causes higher
TP and SRP concentrations, especially during summer. Where agriculture is the major
source of nutrients, loads can decline in proportion to the declining water flux, and hence,
concentrations do not change or even decline, as at Beyşehir, where the reduction in SRP is
substantial. The NO3

−-N concentration and load shows little change due to climate change
alone, the modelled changes being mostly small declines. Given that the mix of point and
diffuse sources is likely to change as catchment size increases, and nutrient retention in
lakes, reservoirs, and the groundwater will be important in the largest basins, then a more
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nuanced understanding of how sources and stores change with catchment size is needed,
and current modelled projections that consider diffuse sources only are likely to be too
generalized. There is the danger that we are drawing the wrong conclusions because the
mix of sources and retention is not yet adequately characterized in our assessments of
future nutrient source and transport. It is unclear if larger catchments are as sensitive to
nutrient loss during precipitation events as has been observed in small scale studies of
agricultural catchments. This further emphasizes the need for more studies of nutrient loss
across spatial scales. Given the low explained variance of the nutrient simulations, large
uncertainty remains regarding nutrient availability and transport under high flows in large
catchments, and more field data are needed from nested catchment studies to determine if
greater precipitation intensity will increase nutrient loading along a continuum of small
(<10 km2) to large (>10,000 km2) catchment areas [57,58].

5.2. The Strength of Observational Evidence to Support the Model-Based Assessments

A 140-year dataset for the River Thames, UK, provides evidence for a strong link
between stream water nitrate concentrations and land use, rather than climate, where
increased arable area and fertiliser application rates correlate to a four-fold increase in
stream water NO3

−-N concentrations [59]. At the global scale, the density of water quality
observations is low outside developed countries, and therefore, it is difficult to determine
current trends in stream and lake water N, P, and chl-a concentrations. Those data that do
exist also show a strong link between stream water N and P concentrations and land use
and land cover change, with increases in total phosphorus loadings to lakes evident in east
Asia and South America where fertiliser application is high, and some reductions in central
Asia are likely due to lower fertiliser application following the separation of the former
Soviet Union into multiple, independent states [60]. In the USA, there is little evidence of a
clear trend in stream water N and P concentrations [61]. Across Europe, recent decreases in
stream and lake water N and P have been observed, and these have largely been ascribed
to more efficient, or lower, fertiliser and manure use and a greater removal of nutrients
during wastewater treatment [62,63]. In China, reductions in stream water P have also been
observed in response to improved wastewater treatment [64]. Thus, at the larger (>50 km2)
spatial scales, there is observational evidence that supports the model-based assertions
made here and elsewhere [12], namely that land use is the dominant control on stream
water nutrient concentrations, rather than climate, and a stream water nutrient response
can be expected in response to land use change if the change is sufficient to outweigh any P
legacy effect [65,66].

5.3. Comparison with Other Projections of Future Change in Nutrient Concentrations

Comparison of the modelled trend gradient and absolute change in the stream water
nutrients, between this study and others, is difficult and highlights a current lack of consis-
tency in approach because such assessments are at an exploratory stage. Current studies
tend to focus on either nutrient concentration or load, report results either for rivers or lakes,
but not both, focus on catchments of a specific scale only, ignore the mixture of diffuse and
point sources, and consider different future periods for scenario analysis. Some comparison
was possible with the study of Mack et al., 2019 [11], and there is agreement on the small
degree of expected change in catchments in Finland and Norway in response to climate and
land use change. Comparison of general trends (i.e., an increase or decrease) is possible
and observational and model-based studies demonstrate that stream water concentrations
do respond to land cover change and that there is societal choice on the balance between
food production, profitability, urbanisation, and the environment [4,11,14,67]. However,
questions remain about the degree of land use change necessary and about how long before
a response is observed. Reductions in P inputs of between 20 to 80% and in N inputs
of between 9 to 57% have been suggested in general to mitigate increased losses due to
projected increases in precipitation intensity [14]. In the Louros catchment, discussions
with stakeholders suggest that a reduction of 50 to 75% in P input is feasible [30]. Decreases
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in SRP have already been observed in the Vansjø-Høbol and Ylaneejoki catchments in
response to greater use of winter cover crops, buffer strips, and wastewater treatment.
To help answer the question about how much nutrient reduction is needed, all model-based
assessments need to report the input reduction together with the change in the nutrient
output concentration and load.

Numerous modelling studies have looked at the projected changes in the stream
water nutrient concentrations of the River Thames with the modelled response to climate
change alone, suggesting only a relatively small change in nitrate concentrations [36].
Consideration of the co-evolution of climate and land cover change also suggests that the
stream water nitrate changes will be small [67]. This is likely because of the large store
of groundwater nitrate which continues to move to the stream network irrespective of
land cover change [68]. Much bigger changes are projected for SRP because the simulated
land cover change has a much greater impact [10]. This emphasizes the need to consider
long-term changes due to the legacy of pollutants in groundwater, soils, and bed sediments
to determine when changes in the stream water concentrations might occur [4,9,68] and
whether N and P can be reduced together by targeting the same sources. A previous
study of the River Kennet, which is a tributary of the Thames, has suggested stream water
NO3

−-N reductions may occur through denitrification because of higher temperatures [9],
and further work is needed to quantify the importance of this N transformation pathway
across a range of catchment types and river lengths.

There is also a need to consider both stream water concentrations and loads, as concen-
tration may change in a different direction to load due to changes in flow. Concentration is
important for biological impacts, whereas the load describes delivery to lake, coastal, and
estuarine areas. Load will almost always increase with increased flow, but concentration
is important especially during ecologically sensitive periods such as summer low flows.
Model-based assessments also need to account for exhaustion of the N and P supply, which
is evident from detailed studies of nutrient transport, and at the continental and global
scale, nutrient retention in lakes and reservoirs is also important [13,69].

The model projections presented are a first step towards quantifying how proposed
land use change will affect stream water N and P concentrations given projected climate
change. Given that the results suggest that the ‘environmental’ land use changes proposed
here reduce N and P concentrations and remain effective despite climate change, then
a next step is to explore more specific land-management practices (e.g., Nature Based
Solutions), and which of these might be most effective, or whether only large-scale land
use change will result in change. This next step will need to consider that N and P differ
in their availability to crops dependent on the applied form (i.e., fertilizers, manures,
and wastewater applications) with P typically being less available than the supplied N.
More nuanced assessments will also need to consider crop N and P requirements and
yield response, predominant transport pathways, and the legacy N and P that has built
in groundwaters (N) and catchment soils and stream and lake-bed sediments (P) that can
provide a significant internal loading to freshwaters.

5.4. Will Reductions in Nutrient Concentrations Lead to Better Freshwater Ecology?

Where nutrients have been reduced, a commensurate reduction in stream and lake wa-
ter algal blooms or improvement in plant diversity has not always been observed [70]. This
has been ascribed to local factors typically, including internal loading of P that maintains
high P concentrations in the reach or lake water column [71], long residence times of NO3

−-
N stored in groundwater-dominated catchments [68,72], and the complexity of aquatic
ecology in which many factors, including planned and inadvertent species introductions,
affect the ecosystem. Reach-scale and lake light and temperature regimes have also been
found to be as, if not more, important for primary production than nutrient concentrations
in some cases [7,73]. Thus, whilst moves to more sustainable production will likely reduce
freshwater N and P concentrations, the ecological response is far less predictable, as demon-
strated here where the modelled lake nutrient and chl-a concentrations are far more variable
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than those in the stream water. The result from the IJsselmeer study is an interesting one,
namely that the reduction in primary productivity due to NO3

−-N reduction will provide
less food for birds, which emphasizes the need for a whole ecosystem view.

6. Conclusions

The simulations of the observed stream water flow, NO3
−-N, TP, and SRP and lake

chl-a concentrations were satisfactory and sufficient to further explore future changes in
the mean annual flows and concentrations (Objective 1). Building models that adequately
represent the flow and concentration extremes for rivers and lakes remains challenging
due to issues around adequate characterization of the model inputs, the representation
of catchment water and pollutant storage and transport, and the complex and multiple
physiochemical and biological interactions in lake ecosystems. The under-representation of
high flow events in water quality monitoring networks often means there are insufficient
data to constrain water quality models.

The projected effects of future climate and land use change on stream flow and stream
and lake N, P, and chl-a concentrations differ between the northern and southern sites.
Considering climate change alone, then in the north and mid-latitudes of Europe, the
projected increases in temperatures are balanced to some extent by increased precipitation,
leading to relatively small effects on water flows. In the south, at low altitudes, increased
temperatures and lower precipitation act in the same direction to reduce water flows
considerably. In the case of Lake Beyşehir in neighbouring Turkey, this may even lead
to the lake drying up in the foreseeable future, and this effect would far outweigh any
nutrient-related problems. In general, in the north and mid-latitudes of Europe, the effects
of climate change alone on nutrient concentrations and loads are rather small except where
point sources dominate, and reduced flows lead to less dilution of sewage inputs or in those
catchments where soil bound P transport during storms is substantial and may therefore
increase in the future (Objective 2). The effects due to large-scale land use change are
generally much larger, with environmentally focused land use change generally reducing
N and P concentrations (Objective 3). Thus, there is considerable potential to reduce
the nutrient concentrations and loads across Europe despite projected climate change.
Adoption of land use practices, equivalent to the sustainable production land use scenarios,
would mitigate climate-induced changes even in some southern European sites at higher
elevations. More accurate quantification of nutrient transport during periods of intense
rainfall in large catchments is needed to reduce uncertainty in nutrient concentration and
load simulation.

Modelled lake chl-a changes were not generally proportional to the changes in nutrient
inputs (Objective 4). Ecological change can be less than the nutrient change (e.g., chloro-
phyll at Lake Beyşehir and the Orlík Reservoir in the Czech Republic) or greater due to
complex food web interactions (e.g., at the IJsselmeer). Of all the projections in this study,
the lake chlorophyll concentrations have the greatest uncertainty, and thus, the current
emphasis to understand better the aquatic ecosystem response to multiple drivers of change
is appropriate. Given the socio-economic implications of a shift to more sustainable agricul-
ture practices, a better quantified understanding of how reductions in N and P translate to
an ecosystem response seems imperative.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/w14050829/s1, Table S1. Description of land use (including
wastewater treatment), water use and nitrogen deposition changes under the scenarios: LU1 = SRES
A1, World market; LU2 = SRES A2, National enterprise, LU3 = SRES B1, Global sustainability,
LU4 = SRES B2, Local stewardship. Nitrogen deposition was modelled based on European Monitoring
and Evaluation Programme data and a chemical transport model developed at the Meteorological
Synthesizing Centre–West (MSC-W). Wet and dry forms and land cover where accounted for in
the catchment nitrogen deposition estimate. Further details are given in Jackson-Blake et al., 2008.
Table S2. Summary of GCM-RCM model combinations and land use scenarios consisdered at each
study area. For some study areas, there are two rows to note that the climate model combinsations
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and land use scenarios varied when considering different aspects of water quality. This was done
to make best use of existing model set-ups and simulations to integrate these within the study
and increase the number of model simulations overall. Figure S1. Mean air temperatures, present
(1981–2010) and future (2031–2060), at the study areas based on runs with three different climate
models: ECHAM5-KNMI (blue); SMHIRCA-BCM (red); and HadRM3P-HadCM3Q0 (orange). At
some sites, observed temperatures are used instead of modelled values (purple). Figure S2. Mean
annual precipitation, present (1981–2010) and future (2031–2060), at the study sites based on runs
with three different climate models: ECHAM5-KNMI (blue); SMHIRCA-BCM (red); and HadRM3P-
HadCM3Q0 (orange). At some sites, observed precipitation was used instead of modelled values
(purple). Figure S3. The percentage change in stream water nitrate load at each of the study areas
between the baseline (1981–2010) and future (2031–2060) periods due to climate change (climate) and
climate and land cover change (LU1–4). Blank columns indicate that GCM-RCM combination was
not used for a study site. A ‘0’ notes a percentage change of zero. Figure S4. The percentage change
in stream water total phosphorus load at each of the study areas between the baseline (1981–2010)
and future (2031–2060) periods due to climate change (climate) and climate and land cover change
(LU1–4). Blank columns indicate that GCM-RCM combination was not used for a study site. A ‘0’
notes a percentage change of zero. Figure S5. The percentage change in stream water soluble reactive
phosphorus load at each of the study areas between the baseline (1981–2010) and future (2031–2060)
periods due to climate change (climate) and climate and land cover change (LU1–4). Blank columns
indicate that GCM-RCM combination was not used for a study site. A ‘0’ notes a percentage change
of zero.
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Abstract: The recent genetic revolution through the analysis of aquatic environmental DNA (eDNA)
has become a powerful tool for improving the detection of rare and/or invasive species. For the
majority of eDNA studies, genetic assays are designed to target mitochondrial genes commonly
referred to as “barcode” regions. However, unlike the typical structure of an animal mitochondrial
genome, those for the invasive zebra and quagga mussels are greatly expanded with large extended
tandem repeat regions. These sections of repeated DNA can appear hundreds of times within the
genome compared to a single copy for the mitochondrial barcode genes. This higher number of target
copies per mitochondrial genome presents an opportunity to increase eDNA assay sensitivity for
these species. Therefore, we designed and evaluated new eDNA assays to target the extended repeat
sections for both zebra and quagga mussels. These assays lower the limit of detection of genomic
DNA by 100-fold for zebra mussels and 10-fold for quagga mussels. Additionally, these newly
developed assays provided longer durations of detection during degradation mesocosm experiments
and greater sensitivity for eDNA detection from water samples collected across western Lake Erie
compared to standard assays targeting mitochondrial genes. This work illustrates how understanding
the complete genomic structure of an organism can improve eDNA analysis.

Keywords: environmental DNA; quantitative PCR; dreissenid mussels; mitochondrial genome;
aquatic invasive species

1. Introduction

The closely related dreissenid bivalve zebra mussel (Dreissena polymorpha, referred
to herein as ZM) and quagga mussel (D. rostriformis, referred to herein as QM) are two of
the most widely distributed freshwater aquatic invasive species [1,2]. Dreissenid mussels
are ecosystem engineers, causing extensive environmental alterations within invaded
habitats, such as the sequestration of nutrients, changes to the benthic habitat and structure,
increased water clarity via prolific filtration, and changes to the composition and biomass
of phytoplankton [1,3,4]. Within North America, the first appearance of both species
was reported in the Laurentian Great Lakes, with the discovery of ZMs in 1986 from
Lake St. Clair [5] and QMs in 1989 from Lake Erie [6]. Since then, these species have
continued their invasional spread to inland water bodies via recreational boating [7].
Furthermore, new invasion pathways have been identified through the aquatic pet and
plant trade [8,9], thus posing additional risk.

The early detection of new dreissenid invasions is critical for implementing successful
eradication and management strategies [10]. Additionally, monitoring population densities
and the invasional front along a waterbody are important for estimating dreissenid-related
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ecological impacts [11,12]. As a result, many studies have aimed to develop high-sensitivity
molecular methods for the detection of new invasions of dreissenid mussels [13]. Initially,
molecular methods were aimed at detecting dreissenid veliger larvae from zooplankton tow
samples [14]. However, with the recent genetic revolution through the analysis of aquatic
environmental DNA (eDNA—the genetic material released from urine, waste, mucus, or
sloughed cells), molecular methods are now routinely implemented for detecting aquatic
invasive species from free-floating DNA found within the water column [15]. The detection
and semi-quantification of dreissenid infestations using eDNA have shown promise in
both lacustrine [16–18] and riverine habitats [18–22].

Molecular methods for the analysis of eDNA can involve targeted species-specific
approaches using the conventional polymerase chain reaction (cPCR) or quantitative
PCR (qPCR), or passive approaches utilizing metabarcoding for the detection of gen-
eral biodiversity [23]. Targeted species-specific assays tend to be more sensitive than broad
metabarcoding approaches [22]. Furthermore, cPCR has been found to be a fast and cheap
method for the early detection of dreissenid veligers [24]; however, cPCR is typically less
sensitive than qPCR [25] and is limited in its quantification output [22]. While qPCR
provides the highest molecular sensitivity for eDNA analysis, it has failed to detect ZMs
within Lake Superior from locations of low abundance [26]. This suggests that current
qPCR assays are potentially unreliable for the detection of expanding invasions within
large water bodies. Therefore, it is desirable to have a qPCR assay that targets the most
abundant DNA fragment hypothesized to be within the environment to ultimately increase
the probability of successful collection in the field and successful detection in the laboratory.

Over the past decade, macrobial eDNA assays have been typically designed for mi-
tochondrial (mt) genes, as the mt-genome is expected to be in higher concentrations than
the nuclear (nu) genome within a cell [27] and thus are thought to be found in higher
concentrations within the environment. A meta-review of more than 500 published qPCR
assays for eDNA analysis has shown that ~98% of assays for the detection of macrobial
organisms target a mt-gene, with ~77% of those assays targeting just two genes (cytochrome
oxidase I (COI) and cytochrome b (Cyt b)) (data is summarized from [28]). Similarly, of the
29 dreissenid-specific molecular assays, ~72% are designed to target a mt-gene, with ~76%
of those targeting COI (Table S1). However, these commonly targeted mt-genes appear
as only a single copy within a mt-genome, and thus multi-copy genes (e.g., ribosomal
nu-DNA genes) may provide higher sensitivity for eDNA detection. Targeting multi-copy
genes within molecular microbial studies has provided increased sensitivity with qPCR
analysis [29,30]. Yet, only a few macrobial eDNA studies have compared the sensitivity
between single-copy and multi-copy gene targets, with the results suggesting increased
sensitivity for multi-copy gene assays for fish [31–33] and bivalves [34]. Thus, the develop-
ment of the most sensitive eDNA assay requires knowledge about the genomic structure
(e.g., the gene location and the number of copies per genome) of the taxa of interest.

Recently, genome sequencing has been completed for the entire nu- and mt-genomes
of ZMs [35] and for the entire mt-genome of QMs [36]. This new breadth of information pro-
vides tremendous insight into the genomic composition and structure of these two species.
Unlike the typical structure of other animal mt-genomes, which are ~14–20 kilobases
(kb) in length and homoplasmic, dreissenid mt-genomes appear more similar to many
plant mt-genomes, which display frequent gene rearrangements, greatly expanded repet-
itive regions, encode various open reading frames of unknown function, and can be
heteroplasmic [35,36]. Of particular interest for eDNA applications, both dreissenid mus-
sels display largely expanded mt-genomes (ZM: ~67 kb and QM: ~46 kb) composed of long
extended tandem repeat regions (three repeat regions totaling >50 kb and seven repeat
regions totaling > 30 kb, respectively) [35,36]. These extended regions can be repeated
hundreds of times per mt-genome, compared to only a single copy for any of the coding
mt-genes (e.g., 16S, COI, or Cyt b).

In light of this new whole mt-genomic data, we aimed to develop species-specific
qPCR assays that target highly repetitive regions of non-coding mt-DNA. We hypothesized
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these highly repetitive non-coding mt-DNA sections would be found in higher concen-
trations within tissue and eDNA water samples compared to any nu- or mt- coding gene
region and thus provide higher sensitivity for eDNA sampling. We tested this hypothesis
with newly developed qPCR assays across (1) log dilutions of tissue genomic DNA (gDNA),
(2) mesocosm experiments consisting of varying abundances of mussels, and (3) water sam-
ples collected from Lake Erie with known dreissenid populations. This study demonstrates
the potential advantages of increasing the levels of detection and quantification from eDNA
when leveraging whole genomic datasets for primer development.

2. Methods
2.1. Estimation of Gene Copy Number per Genome

To estimate the number of copies present within the mt- or nu-genome for each gene
region with a developed molecular assay (Table S1), in silico PCR was performed to calculate
the number of PCR products of expected size within the mt- and nu-genomes. The number of
copies for each nu-gene within the nu-genome (within each of the 16 chromosomes) was cal-
culated using the National Center for Biotechnology Information (NCBI) tool Primer-BLAST
(https://www.ncbi.nlm.nih.gov/tools/primer-blast, accessed on 15 October 2021 [37])
against the ZM-assembled nu-genome (BioProject: PRJNA533175). Note that this pro-
cess does not distinguish functional genes from pseudogenes within the ZM’s genome but
rather identifies the number of regions within the genome that would result in PCR amplifi-
cation. The number of copies for each mt-gene within the mt-genome was calculated using
in silico PCR (http://insilico.ehu.eus/user_seqs/, accessed on 15 October 2021) with the
assembled mt-genome for each species (ZM BioProject: PRJNA533175, and QMs BioProject:
PRJNA666063–accession MW080914).

2.2. Assay Design

Within the ZM’s and QM’s whole mt-genomes, the large tandem repeat sections for
each species were identified using the program Tandem Repeat Finder [38]. Potential
primers for the tandem repeat sections were identified using the PrimerQuest Tool from
Integrated DNA Technologies (IDT; https://www.idtdna.com/PrimerQuest/Home/Index,
accessed on 15 October 2021). Assays were further inspected for primer-dimer and het-
erodimer formation using the OligoAnalyzer Tool from IDT (https://www.idtdna.com/
calc/analyzer, accessed on 15 October 2021). One mt tandem repeat assay was chosen for
in vitro laboratory validation for each of the two species (Table 1).

Table 1. Species-specific and/or dreissenid-specific primer pairs (F-Forward and R-Reverse) used for
quantitative PCR analysis of environmental DNA for (A) zebra mussel (ZM) and (B) quagga mussel
(QM). The genomic origin (mitochondrial (mt) or nuclear (nu)) is listed for each gene, as well as the
length (base pairs), primer efficiency (%), and R2 for each primer set. Limit of detection (LOD) and
limit of quantification (LOQ) are listed in ng of tissue extraction per reaction and were estimated for
each qPCR assay using the qPCR_LOD_Calc R script [39].

Species Assay Zebra Mussel Primer Length
(bps) Efficiency R2 LOD LOQ Source

A. ZM mt-tr285 F: GTTTTCCAGTTCTTCTGTCG 97 96.83 0.990 2.2 × 10−6 1.2 × 10−4 Present Study
R: CTCTCACTTTTTTCCCCTATCCCTC

mt-COI F: TAGAGCTAAGGGCACCTGGAA 73 90.63 0.990 2.5 × 10−4 3.3 × 10−3 [40]
R: AGCCCATGAGTGGTGACAAT

mt-16S F: TGGGGCAGTAAGAAGAAAAAAATAA 141 91.00 0.995 2.5 × 10−4 2.4 × 10−3 [16]
R: CATCGAGGTCGCAAACCG

nu-H2B F: CGCGCGCTCCACTGACAAGA 251 88.36 0.999 2.2 × 10−6 4.1 × 10−5 [19]
R: CACCAGGCAGCAGGAGACGC

B. QM mt-tr258 F: TCGGTTCAACGGGATTCCC 232 102.32 0.995 9.3 × 10−6 2.8 × 10−4 Present Study
R: CCCCCTTACAAGATTTTCGATTT

mt-COI F: GGAAACTGGTTGGTCCCGAT 188 97.16 0.998 9.8 × 10−5 3.5 × 10−4 [40]
R: GGCCCTGAATGCCCCATAAT
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Table 1. Cont.

Species Assay Zebra Mussel Primer Length
(bps) Efficiency R2 LOD LOQ Source

B. QM mt-16S F: TGGGGCAGTAAGAAGAAAAAAATAA 141 101.15 0.996 5.7 × 10−5 1.1 × 10−3 [16]
R: CATCGAGGTCGCAAACCG

nu-H2B F: CGCGCGCTCCACTGACAAGA 251 95.89 0.994 5.7 × 10−5 1.8 × 10−3 [19]
R: CACCAGGCAGCAGGAGACGC

2.3. Assay Validation

The two primer pairs were tested for cross-amplification of non-target organisms
in silico using the Primer-BLAST tool. The primer pairs were further tested for cross-
amplification between the sister taxa by performing qPCR using 1 ng per reaction of gDNA.
Total gDNA was extracted from the foot tissue of adult ZMs, or QMs collected from Lake
Erie using a Qiagen EZDNA extraction kit following the manufacturer’s protocol. DNA
extractions were diluted to 10 ng/µL by quantification on a nanodrop lite with subsequent
dilutions using DNase-free water.

To determine the sensitivity of each mtTR assay and previously developed species-
specific COI assays [40] (Table 1), serial dilutions of gDNA (ranging from 10 ng to 0.00001 ng
per reaction) were amplified using each assay for either the ZM’s or QM’s DNA. Each of
the serial dilutions was amplified in triplicates. PCR reactions were run using 2× Fast Plus
EvaGreen qPCR Master Mix (CAT #31014, Biotium, Fremont, CA, USA) on an Applied
Biosystems QunatStudio Flex 6 Real-Time PCR System. Reactions consisted of 20 µL in
volume and included 10 µL 2× Master Mix, 0.5 µL forward and reverse primers at a 10 mM
concentration, 6.5 µL diH2O, and 2.5 µL of the sample template. Cycling began with 10 min
at 94 ◦C followed by 40 cycles of 94 ◦C for 15 s and 60 ◦C for 60 s. A negative PCR control
was run with each plate of samples. Melt curve analysis was completed after each qPCR
run for each assay. Melt curves were inspected for a single peak corresponding to the same
temperature as the peak from the positive control samples included in each run.

Quantitative PCR assays were evaluated for sensitivity based on the qPCR efficiency,
the limit of quantification (LOQ)—defined as the lowest concentration of the target that
can be accurately quantified with a coefficient of variance below a threshold of ≤35%—
and the limit of detection (LOD)—defined as the lowest concentration of DNA that can
be detected in 95% of replicates [39]. PCR amplification efficiency for each assay was
calculated following the Minimum Information for Publication of Quantitative Real-time
PCR Experiments (MIQE Guidelines) [41]. Using the calibrated standard curves for serial
dilutions of gDNA (described above), PCR efficiency was calculated as 10−1/slope − 1,
where the slope was calculated from the logarithm of the initial template concentration
plotted against the Cq (quantification cycle) for each dilution. The LOD and LOQ were
estimated for each qPCR assay using the qPCR_LOD_Calc R script [39].

2.4. Comparisons of Assay Sensitivity

To assess the differences in sensitivity and duration of the detection between COI
and mtTR assays, water samples previously collected and processed from mesocosm
experiments were further analyzed here [34]. Briefly, three abundance treatments of three
replicates (a total of nine mesocosms) were chosen for analysis. These abundance treatments
consisted of 2, 12, and 48 mussels, with each mesocosm consisting of equal numbers of
ZMs and QMs (i.e., 1, 6, and 24 mussels, respectively). Each tank was covered with saran
wrap for the duration of the experiment. The organisms were maintained within the tanks
to release eDNA for a duration of 24 h, after which they were removed by a gloved hand.
A new glove was worn for each tank. The time after removing the mussels from each tank
was defined as time 0. Water samples collected at 0 h and 144 h were analyzed in this
study. The water samples were collected after mixing the water within each mesocosm
by stirring with a gloved hand for ~3–5 s. Further description of the water collection and
eDNA extraction can be found in [34].
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Additionally, detection and assay sensitivity were compared from water samples
collected across six sites within western Lake Erie (WLE, Figure 1). Triplicate water samples
of 500 mL were collected from ~30 cm below the surface in August of 2019. Water samples
were filtered on a 47-mm-diameter glass microfiber filter GF/C (nominal pore size 1.2 µm;
GE Healthcare Life Science, Westborough, MA, USA), and eDNA was extracted following
a modified Zymo extraction protocol [34]. Water samples were analyzed with the species-
specific COI [40] and mtTR assays described above, as well as two genus-specific assays
targeting the mt 16S gene and the nu H2B gene regions (Table 1). The 16S gene assay
(Dre_16S) was originally designed with a hydrolysis probe [16] but was adopted as a
non-probe assay for comparisons in this study. The other three assays (ZM-specific COI
and QM-specific COI [40] and the genus-specific H2B (Dre_H2B) [19]) were designed as
non-probe assays with EvaGreen-based dye analysis.

Figure 1. Map of western Lake Erie displaying the six sampling sites for eDNA water collection.

PCR conditions followed those listed for the assay validation. Positive standards were
constructed for each PCR run using gDNA from ZMs and QMs that was log-diluted from
1 ng to 0.01 ng per reaction. The efficiency of each qPCR run was evaluated by comparing
the positive standards to the calibrated standard curve.

The standardized Cq values (40-Cq) from the mesocosm and Lake Erie eDNA samples
were compared between the COI and mtTR assays for ZMs and QMs using a Student’s
t-test. Additionally, to determine if the COI and mtTR assays provided similar eDNA quan-
tification estimates within the mesocosm and Lake Erie eDNA samples, the concentration
of gDNA was quantified from the standard curve for each assay. Linear regression was
used to compare estimates of concentrations of gDNA between COI and mtTR assays for
both ZMs and QMs.
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3. Results
3.1. Copy Number per Genome

The copy number of nu-genes ranged from 6–30 copies per haploid genome, with
ribosomal genes displaying the highest copy number (30 copies for 18S and 20 copies for
28S; Table S1). Copies of the 18S gene were found on half of the chromosomes (Chr 2, 3, 4,
5, 7, 9, 12, and 14), while copies of the 28S gene were found on seven of the chromosomes
(Chr 2, 3, 4, 5, 6, 9, and 14). Note that these results suggest the presence of pseudogenes for
both 18S and 28S within the ZM’s nu-genome, which is common for nu-ribosomal genes
among eukaryotes [42]. The two histone genes (H2B and H1) each had 19 copies spread
across two chromosomes (Chr 2 and 5), while the MetRS gene had six copies found only on
chromosome 5. The gene coding regions within the mt-genome (i.e., 16S, COI, and Cyt b) all
displayed the expected single copy per mt-genome (Table S1). The targeted extended repeat
regions (Dpo_tr285 and Dro_tr258) within the available mt-genome reference sequences
exhibited 115 and 51 copies per mt-genome, respectively (Table 1).

3.2. Assay Specificity

For the newly designed primers for the mt-repeat regions, Primer-BLAST yielded
no results for the cross-amplification of any non-target DNA within the NCBI database.
Furthermore, no evidence of cross-amplification between sister taxa was observed during
the qPCR trials. The melting curve for both primers displayed a single distinct peak with
qPCR analysis (ZM = 76 ◦C and QM = 78 ◦C).

3.3. Assay Sensitivity—Standard Curves

Standard curve analysis using gDNA from the foot tissue estimated high qPCR effi-
ciencies and R2 values for all six assays tested in this study (Table 1). Across the first five
standard dilutions (the standards that displayed 100% detection with both the COI and
mtTR assays), the mtTR displayed increased sensitivity, as demonstrated by a lower Cq
value for both of the species. The ZM’s mtTR assay displayed a shift of 7.05 ± 0.62 Cq
values (Figure 2A), while the QM’s mtTR assay displayed a shift of 4.17 ± 0.25 Cq values
(Figure 2B).

Additionally, for ZMs, the calculated LOD was determined to be two orders of magni-
tude lower for the mtTR assay, and LOQ was determined to be one order of magnitude
lower for the mtTR assay compared to the COI assay (Table 1). For QMs, the calculated
LOD was determined to be one order of magnitude lower for the mtTR assay compared to
the COI assay (Table 1).

Figure 2. Cont.
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Figure 2. Standard curve analysis of log10 [genomic DNA] (fg per reaction) for (A) zebra mussels
(Dreissena polymorpha) and (B) quagga mussels (D. rostriformis) for a mitochondrial cytochrome
oxidase I (COI) assay (Blackman et al. 2020) (open circles) and a newly developed mitochondrial
tandem repeat (mtTR) assay (filled circles).

3.4. Assay Sensitivity—Mesocosm Experiments

Across all of the mussel abundances at time 0 h, the mtTR assays displayed higher
standardized Cq values than the COI assays for both of the species (all of the abundances’
standardized Cq values—ZM: COI = 10.53 ± 1.79, mtTR = 16.20 ± 1.54, p < 0.001 ***;
QM: COI = 10.80 ± 3.47, mtTR = 16.23 ± 3.34, p = 0.006 **) (Figure 3A,C). The estimated
concentration of the eDNA log10 (fg/uL), calculated based on standard curves, did not
differ across the mtTR and COI assays for either of the species (all of the abundances’ eDNA
concentrations—ZM: COI = 4.52 ± 0.50, mtTR = 4.10 ± 0.45, p = 0.10; QM: COI = 3.86 ± 1.02,
mtTR = 4.19 ± 1.02, p = 0.53) (Figure 3B,D). At the time of 144 h of the eDNA degradation,
the COI assay was detected in 44.44% (4/9) of the samples for ZMs and 33.33% (3/9) of the
samples for QMs, while the mtTR assay was detected in 89% (8/9) and 100% (9/9) of the
samples for ZMs and QMs, respectively.

Figure 3. Standardized Cq values (±standard deviation) for (A) zebra mussels (Dreissena polymorpha)
and (C) quagga mussels (D. rostriformis) for a mitochondrial cytochrome oxidase I (COI) assay
(Blackman et al., 2020) (lined bar), and a newly developed mitochondrial tandem repeat (mtTR)
assay (filled bar) across the three mesocosm tanks. The relationship of quantified genomic DNA
(log10 fg/µL) between the COI and mtTR assay for (B) zebra mussels and (D) quagga mussels.

106



Water 2022, 14, 2069

3.5. Assay Sensitivity—Western Lake Erie

Across the six sampling sites, the standardized Cq values were higher for the mtTR
assay compared to the COI for both of the species (all of the sites’ standardized Cq values—
ZM: COI = 8.41 ± 4.02, mtTR = 14.12 ± 3.67, p < 0.001 ***; QM: COI = 13.93 ± 2.15,
mtTR = 19.13 ± 1.79, p < 0.001 ***) (Figure 4A,C). The estimated concentration of the
eDNA log10 (fg/uL), calculated based on tissue extraction standard curves, did not dif-
fer across the mtTR and COI for either of the species (all of sites’ standardized eDNA
concentrations—ZM: COI = 3.84 ± 1.36, mtTR = 3.50 ± 1.08, p = 0.40; QM: COI = 4.78 ± 0.63,
mtTR = 5.08 ± 0.55, p = 0.15) (Figure 4B,D). For both the mtTR and COI assays, ZMs displayed
a lower concentration of eDNA compared to QMs across Lake Erie (Figures 5, S1 and S2).
Further, ZMs displayed lower eDNA concentrations as sites moved further offshore
(Figures 4A and S1). The single-copy genus specific assay (mt-16S) displayed lower stan-
dardized Cq values to the QM’s mtTR assay (Figures 5, S1 and S2), while the multi-copy
H2B gene assay displayed similar standardized Cq values (Figures 5, S1 and S2).

Figure 4. Standardized Cq values (±standard deviation) for (A) zebra mussels (Dreissena poly-
morpha) and (C) quagga mussels (D. rostriformis) for a mitochondrial cytochrome oxidase I (COI)
assay (Blackman et al. 2020) (lined bar) and a newly developed mitochondrial tandem repeat (mtTR)
assay (filled bar) across the six western Lake Erie sampling sites. The relationship of quanti-
fied genomic DNA (log10 of fg/µL) between the COI and mtTR assay for (B) zebra mussels and
(D) quagga mussels.
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Figure 5. Mean standardized Cq values (±standard deviation) for each of the six eDNA assays across
all water samples collected from western Lake Erie.

4. Discussion

As eDNA becomes a standardized sampling methodology for the detection and
management of invasive species [10,43], targeting the most abundant genomic fragment
can increase the sensitivity of an eDNA assay. Here we demonstrate proof of this concept
by taking advantage of the unique structure of the mt-genome of dreissenid mussels. By
targeting the tandem repeat regions of the mt-genome, we demonstrated higher sensitivity
for the detection of dreissenid eDNA compared to the standard single-copy mt-gene regions
(e.g., 16S and COI). Accordingly, the LOD from the tissue gDNA was estimated to be one
to two orders of magnitude lower for the mt tandem repeat sections compared to the
single-copy COI assays for either of the species. The higher number of copies per cell for
these repeat regions allows for a lower total number of cells to be collected within the
environment and still achieve a positive detection. While the number of mt-genomes per cell
is highly dependent upon the type of tissue, the concentration of the mt-genome is always
expected to outnumber the concentration of the nu-genome [44]. Therefore, by targeting
a highly repeated section of mt-DNA, we designed species-specific assays targeting the
theoretically most abundant DNA region found within a dreissenid mussel cell.

Standard operating procedures for eDNA qPCR assays are beginning to be outlined [28,39,45],
and these procedures typically recommend the use of synthetic standards for the analysis
of LOD and LOQ [45]. However, while synthetic standards are important for evaluating
the efficacy of an eDNA assay in the laboratory, the ability to successfully collect and
detect a genetic target from the environment is reliant on the inherent number of target
copies found within a cell for the species of interest. Therefore, synthetic standards do not
provide the full context of LOD and LOQ in terms of realized copies for various target
genes expected to be found within the environment. For example, a qPCR targeting a
multi-copy gene for the anthrax pathogen Bacillus anthracis was found to have a similar
LOD to the established single-copy assays using synthetic standards; yet the multi-copy
gene significantly improved its detection by lowering the Cq threshold by > two cycles [29].
Similarly, our newly developed mtTR assays lowered Cq values by seven and four cycles
for ZMs and QMs, respectively. Therefore, these mtTR regions can increase detection rates
for eDNA of low population sizes when the concentration of cellular material may be below
the detection threshold for standard single-copy gene assays.
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While the degradation of the mt-genome is typically slower compared to the nu-
genome [33,34,44], it is not known the purpose of these mtTR regions [36] or if they
degrade at similar rates to coding regions within the mt-genome. We tested samples
collected from a previous mesocosm experiment for the detection of these repeat regions
after six days of degradation. While the tandem repeat sections fell below the LOQ
for both QMs and ZMs, these two markers still provided high detection rates after six
days of degradation, compared to limited detections with the COI assays. This suggests
that the high concentrations of the mtTR regions allow for longer time frames of positive
detections post- eDNA release. Thus, the longer timeframe allows for an increased detection
probability. However, this also presents a potential risk of a false-positive detection relating
to the legacy-genomic material or to eDNA transport within a flowing system. Therefore,
when an eDNA study focuses on recent presence, such as studies evaluating the success of
an eradication event, eDNA analysis may benefit from targeting a faster degrading gene
region. In such cases, the use of eRNA may improve the assessments of recent presence, as
eRNA has been shown to degrade at expeditated rates [34]. However, because the mtTR
assays target non-coding DNA, these mtTR regions are not expected to be translated into
RNA within the cell and thus will not be useful with eRNA analysis.

The water samples from Lake Erie were found to have much larger standardized Cq
values for the mtTR assay compared to the COI assay for both ZMs and QMs. Additionally,
for majority of the sites, the QM mtTR assay provided higher standardized Cq values than
the genus-specific 16S gene assay, which amplifies both the ZM’s and QM’s eDNA. This
suggests that in some cases, the species-specific mtTR assays can even be more sensitive
than a genus-specific single-copy assay. However, the multi-copy genus-specific H2B
gene assay provided similarly high standardized Cq values, further suggesting that multi-
copy targets greatly improve sensitivity [34]. If monitoring programs are not particularly
interested in distinguishing between the two species, the genus-specific H2B target may
provide better sensitivity than a species-specific assay to detect low-density dreissenid
populations. However, the designed primers in this study allow high sensitivity at the
species level, providing improved detection when species-specific information is necessary.
For example, in this study, large variations in eDNA concentration was found for ZM, with
the highest concentrations occurring in sites nearshore, while QM’s eDNA concentration
displayed a much smaller variation across the sites. These patterns of eDNA concentration
between the species are not possible with a genus-specific assays.

Unlike single-copy genes, it is unknown how much variation occurs in the number of
mtTR repeats within individuals, between individuals, and between populations. Currently,
only one mt-genome has been sequenced for both ZMs and QMs; thus, it is not possible to
estimate a population and spatial variation within this non-coding region. It is hypothe-
sized that the mt-genome displays some levels of heteroplasmy, whereas the number of
repeats can differ between individuals and even between cells within an individual [36].
Therefore, while both mtTR assays displayed increasing DNA concentrations with the
mussel abundance across the mesocosms, the unknown level of heteroplasmy may result
in misleading abundance estimates when quantifying eDNA with these mtTR assays. Ad-
ditionally, no mt-genomes have been sequenced for other closely related Dreissena taxa,
and thus it is not known if these mtTR assays will cross-amplify with other sister taxa in
co-occurring habitats. However, these assays show a clear specificity against the two tested
species, with a clear distinction between the ZM’s and QM’s mtTR regions. Continued
investigations into the mt-genome structure across geographical populations and between
dreissenid taxa will improve the evaluation and interpretation of quantified eDNA from
mtTR assays in the future.

While these extended mt-genome repeat regions are rare within the animal kingdom,
this study provides proof of concept to increase the efficiency and effectiveness of eDNA
by incorporating whole genome information. Additionally, mt tandem repeat regions
have recently been discovered in the parasitic worm Schistosoma haematobium [46] and
are common among plants [47]. Thus, a similar approach for assay development may be
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beneficial for improving eDNA detection for a wide range of taxa. Likewise, other studies
have shown increased assay sensitivity when targeting a multi-copy nu-gene [31–34],
suggesting that gene copy number should be considered in eDNA assay development.
It is important to note that the majority of developed assays target the COI gene region
due to the wealth of information available to properly evaluate species-specificity [28,45];
thus, the development of assays targeting other gene regions may be limited until more
in-depth genomic databases are developed. This study expresses the need to understand
the unique cellular aspects (including the genomic structure) of an organism to develop the
most efficient and effective eDNA methodology for detection efforts.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/
10.3390/w14132069/s1, Figure S1: The Standardized Cq values (±standard deviation) across water
samples collected from six sites in western Lake Erie for ZM_COI, ZM_mtTR, QM_COI, QM_mtTR,
Dre_16S, and Dre_H2B. Figure S2: The Standardized Cq values (±standard deviation) for each of
the six eDNA assays from triplicate water samples collected at WLE4P, WLE2L, WLE4R, WLE7M,
WLE8M, and WLE3P. Table S1: Gene regions across the nuclear (nu-) and mitochondrial (mt-) genomes
used for developing diagnostic molecular assays targeting zebra mussel (Dreissena polymorpha),
quagga mussel (D. rostriformis), or both [48–56].
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Abstract: Aquatic macrophytes are one of the four biological quality elements (BQE) used for assessing
the ecological status of inland waters according to the EU Water Framework Directive (WFD 2000/60).
With this article, we present the methodological approach for the implementation of a WFD compliant
macrophyte index to the riverine systems of Greece. In addition to the definition and harmonization
of the ecological quality class boundaries, the results from the pilot application of the index and
the ecological classification of the monitored river reaches are also presented. Aquatic plants and
environmental parameters were sampled from 93 river reaches between 2012 and 2015. A multivariate
analysis with optimal scaling (MVAOS) was conducted to define the main stressor gradient and to
identify the least disturbed sites and the reference conditions that are required for the derivation of
the ecological quality classes. The Macrophyte Biological Index IBMR for Greek rivers (IBMRGR) was
calculated for all the sites and the boundaries for the five quality classes were derived according
to the methodology proposed by the Mediterranean Geographic Intercalibration Group (MedGIG).
The main findings showed that the hydromorphological modifications were the main environmental
stressors that correlated strongly with the IBMRGR, whereas physicochemical stressors were of lesser
importance. More specifically, the first principal component explained 51% of the total variance of
the data, representing a moderately strong gradient of hydromorphological stress, whereas the second
component explained 22.5%, representing a weaker gradient of physicochemical stress. In addition,
the ecological assessment showed that almost 60% of the sites failed the WFD target of the “Good”
ecological quality class, which agrees with classification assessments based on other BQEs for Greece
and many Mediterranean countries. Overall, this work provides a first assessment of the ecological
classification of Greek rivers with the BQE of aquatic macrophytes with significant implications for
ecological monitoring and decision making within the frame of the WFD implementation.

Keywords: aquatic macrophytes; Water Framework Directive; rivers; ecological quality; ecological
monitoring; Eastern Mediterranean

1. Introduction

Aquatic macrophytes are aquatic photosynthetic organisms easily seen with the naked
eye and include vascular plants, mosses, liverworts and macro-algal growths [1]. They
have been widely used as bioindicators in freshwater habitats because certain species and
communities are known to respond to environmental changes caused by anthropogenic per-
turbations such as eutrophication, acidification and hydromorphological alteration [2–6].
Several studies have investigated the role of anthropogenic disturbances in shaping the
structure and functioning of macrophyte communities [7–10] revealing various and com-
plex responses of diversity and community indices to gradients of hydromorphological
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features and nutrients. It is well known that numerous/multiple human activities such as
agriculture, aquaculture, urban infrastructure and settlements, alterations in the hydromor-
phology and flow regime, significantly influence the abundance, structure and the extent of
the macrophyte communities [11,12]. Naturally, aquatic macrophytes were recognized as
an important tool for biomonitoring and assessment of freshwater ecosystems and were
adopted as one of the four biological quality elements (BQEs) that are used for the ecological
classification of streams and rivers in Europe, following the implementation of the Water
Framework Directive (WFD 2000/60) [13].

The goal of the Water Framework Directive [14] is to restore or maintain good eco-
logical state of freshwater systems of all EU member states. Thus, the WFD provides very
detailed guidelines for the implementation of the ecological monitoring and the assessment
of all European inland and coastal waters, including rivers and streams. The ecological
monitoring and assessment involve the monitoring of biological, hydromorphological and
physicochemical quality elements. For running waters (rivers and streams) the goal of
the “Good” ecological status is defined in Annex V of the WFD and refers to terms of
quality assessed with the use of biological communities, based mainly on diatoms, benthic
invertebrates, fish and aquatic macrophytes. Basically, the ecological status is derived by
comparing the biological community of a certain site with the respective community that
would be expected in environmental conditions with no or minimal anthropogenic impact.
These conditions are known as reference conditions and can be defined using different
approaches [15].

Today, numerous biological assessment systems based on macrophytes have been
developed and used by EU members [1]. Most of these systems are based on indices
that consider the species composition of macrophyte assemblages and species indicator
values that reflect the tolerance to a certain disturbance (e.g., organic pollution) [16,17].
The Macrophyte Biological Index for Rivers (IBMR) is one of these indices originally de-
veloped for France [17] and adopted by other EU members (e.g., Portugal, Italy, Cyprus
and Greece) [1,13]. The calculation of the IBMR is based on indicator taxa that belong to
various macrophyte groups, such as macroalgae (e.g., Characeae), aquatic bryophytes (e.g.,
Fontinalis sp.), truly aquatic macrophytes (e.g., Potamogeton sp.) and emergent vascular
species (e.g., Polygonum sp.) [1,17]. In Greece, the IBMRGR is the national assessment
method for classification of ecological quality of rivers with the use of macrophytes that
has been intercalibrated during the Mediterranean Geographic Intercalibration Group
exercise (MedGIG) [1] and it has been implemented during the first round of the National
monitoring program (2012–2015) and the second phase which started on 2018 and is still
running [18]. The IBMRGR list of indicator species included new species that are character-
istic of the Greek rivers to adjust the index in the local conditions. Earlier studies on the
aquatic macrophyte communities of the Greek riverine ecosystems have focused on spe-
cific rivers examining mostly associations between plant communities and environmental
gradients [19,20]. A more recent study by Stefanidis et al. [2] examined the biodiversity
patterns of aquatic macrophytes across environmental gradients at a larger spatial scale
covering multiple catchments and sampling sites, which are included in the current study.

Driven by the lack of a national ecological assessment method for Greek rivers with
the use of aquatic macrophytes, the current study is the first ever that focuses on the
development and use of a macrophyte index as an official WFD-compliant national method.
More specifically, this paper describes the methodological approach for the implementation
of the IBMR index to the riverine systems of Greece, including the multi-step procedure for
the definition and harmonization of the ecological quality class boundaries. It also provides
a first ever detailed overview of the ecological classification of the riverine ecosystems of
Greece based on macrophytes that resulted from the implementation of this pilot monitoring
scheme during the first phase of the ecological monitoring (2012–2015) within the frame of
the WFD 2000/60.
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2. Materials and Methods
2.1. Field Surveys

Field surveys were conducted in a total of 93 stream sites (Figure 1), which are part of
the National Monitoring Network [21], covering all the biogeographic regions of mainland
Greece [22]. Samplings were conducted once between April and August of 2014 and 2015
following standardized protocols from the MedGIG [1]. Macrophytes were sampled from
both banks and the channel when feasible, by wading upstream for a 100 m long section of
the river reach. The abundance of each species was assessed using a 5-point cover scale
where 1 stands for rare plants with cover ranging from 1 to 5%, 2 for occasional plants with
cover 6–25%, 3 for frequent plants and cover 26–50%, 4 for abundant plants with cover
between 51 and 75% and 5 for dominant plants with cover between 76 and 100%. Most
species were identified in the field, but some specimens were collected and transferred to
the laboratory for further identification. A complete list with the identified plant taxa can
be found in the supplementary material (Table S1).
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Figure 1. Location of sampling sites (n = 93) of the National Monitoring network, across streams and
rivers of mainland Greece.

Water was sampled and transferred to the laboratory for the chemical quantification
of orthophosphates, nitrogen species (nitrate, nitrite, and ammonium concentrations in
water), total inorganic nitrogen and total phosphorus following the analytical procedures
according to APHA [23]. Electrical conductivity, water temperature, dissolved oxygen,
and pH were measured in site with a portable multi-meter probe. In parallel with the
macrophyte and water sampling, hydromorphological characteristics such as channel
cross section alteration, water abstraction, presence of dykes, hydrological alteration,
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etc., were recorded as described by Feio et al. [15] (see Table 1). Both physicochemical
and hydromorphological variables were used as proxies of anthropogenic stressors (e.g.,
nutrient pollution, acidification, hydromorphological modifications) in order to define the
main stressors that influence the macrophyte index.

Table 1. Environmental variables that were considered as potential stressor indicators.

Stressor Description

Hydromorphological

Channel profile/cross section alteration Degree of channel profile modification present at the site/cross
section alteration

Channel morphology Degree of the morphological modification of the channel
present at the site

Local habitat alteration Alteration of instream habitats

Stream hydrology Degree of the hydrological alteration present at the site

Upstream dams influence Effect of upstream dams

Water abstraction Effect of water abstraction at the site

Dykes (flood protection) Effect of dykes for flood protection

Physicochemical

pH Sorensen scale

Conductivity Conductivity [mS/cm]

Ammonium Ammonia concentration in the water [mg/L NH4
+]

Nitrate Nitrate concentration in the water [mg/L NO3
−]

Total nitrogen Total Nitrogen [mg/L TN]

Total phosphorus Concentration of total phosphorus in the water [mg/L TP]

Orthophosphates Concentration of Orthophosphates in the water [mg/L PO4
3−]

DO Concentration of dissolved oxygen [mg/L]

Land use
Urbanization Urban and industrial areas in immediate vicinity of site

Agriculture Agriculture at the immediate vicinity of site

2.2. Statistical Treatment of Environmental Pressure Data—Identification of the Main
Stress Gradient

We applied a multivariate analysis with optimal scaling (MVAOS) for the entire dataset
of environmental variables (Table 1) to identify those with the highest contribution in the
variance of the data. Although there are many other methods for handling multivariate data
analysis in water sciences [24,25], we used MVAOS because it allows us to extend the con-
cept of the principal component analysis (PCA) to ordinal variables by transforming them
to scale variables [26]. Basically, the MVAOS procedure transforms the ordinal variables and
then a PCA is conducted. After omitting those variables with a correlation coefficient r < 0.7
with the first two principal components (PC1 and PC2), a second PCA was conducted with
the remainder variables. Thus, the MVAOS PCA was used for dimensionality reduction
and for providing an environmental gradient as a proxy for stressor gradient. Furthermore,
the PC1 scores for the sites were used to identify the less disturbed or unstressed sites
which represented the reference sites according to the guidelines provided by the MedGIG.
Unstressed sites were defined as those with a PC1 value less than the 25th percentile of
the total scores. The MVAOS procedure was applied with the “Gifi” package [27]. PCA
were then performed on the transformed variables with the “FactoMineR” package [28].
All analyses were done in R environment [29].
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2.3. Development and Implementation of the IBMRGR Index

The IBMRGR index was calculated for all sites according to the following formula [17]:

IBMR =
∑i(EiKiCSi)

∑i(EiKi)
(1)

where Ei the coefficient of ecological amplitude for a given species i, Ki the scale of cover
and CSi is the species-specific score that indicates tolerance to organic pollution.

Sites with only one or two scoring macrophyte species were excluded from further
analysis leaving a total number of 79 from the initial 93 sites. In order to distinguish how
well the IBMRGR index responds to the pressure a simple linear regression was conducted
between the macrophyte index and the PC1 scores derived from the PCA on the most
important stressor variables.

Then, the index is normalized between 0 and 1 as follows [30]:

IBRMNORM =
I − SI5

USI75 − SI5
(2)

where I is the index value at a given site, SI5 is the 5th percentile of the stressed sites and
USI75 is the 75th percentile of the unstressed sites. Normalized values larger than 1 are set
to 1 and lower than 0 are set to 0.

To determine the boundary of the index between the High and Good ecological quality
class the 25th percentile of the unstressed sites was used. For the boundaries between
the other quality classes the guidelines from the Common Implementation Strategy [31]
were followed and the 25th percentile value was divided to 4 so each quality class (Good,
Moderate, Poor and Bad) has the same range as the others.

3. Results and Discussion
3.1. Determination of the Least Disturbed/Unstressed Sites

The results from the first MVAOS PCA including all the environmental data showed
that the variables with the highest correlation with the PC1 were the channel profile/cross
section alteration, channel morphology, habitat alteration, stream hydrology, water abstrac-
tion and agriculture, whereas ammonium and phosphate concentrations correlated strongly
with the PC2 (Table 2). A second MVAOS PCA was conducted keeping only these nine
variables and the results showed that the PC1 acts as a gradient of hydromorphological
stressors whereas PC2 clearly shows a strong relationship with three physicochemical
variables (ammonium, nitrate, and phosphate) (Figure 2). The first component explained
51% of the total variance of the data whereas the second component explained 22.5%. Thus,
the PC1 represents a moderately strong gradient of hydromorphological stress and the
PC2 a weaker gradient of physicochemical stress. Then, using the PC1 scores of the sites,
that indicate their position along the first component, we distinguished the sites that are
less affected by the hydromorphological stressors (those that are positioned at the left
side of the biplot in Figure 2). To do so we defined as less disturbed sites (or unstressed)
those with a PC1 score less than the 25th percentile of the total PC1 scores. Sites with
PC1 score between the 25th and 75th percentile were considered as moderately stressed
and those with a PC1 score >75th percentile were the highly stressed sites. Based on this
discrimination, Figure 2 shows that unstressed sites are clearly separated as they are placed
at the far left in the biplot. Moderately stressed sites are distributed along axis 1 and highly
stressed sites are placed on the right part of the plot with several points also showing a high
correlation with the second axis that represents a gradient of physicochemical stress. The
results showed that the examined variables were responsible for a substantial portion of
the variance of the dataset, indicating the importance of hydro-morphological disturbances
in the macrophyte communities of the investigated stream sites. To further show the clear
discrimination of the sites between these three groups of stress intensity we performed a
Kruskal-Wallis test for the IBMRGR values among the stress level and we found that the
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macrophyte index medians are significantly different (p ≤ 0.001). Figure 3 illustrates these
differences between the unstressed, moderately stressed and highly stressed sites.

Table 2. Correlations between the environmental variables and the first two principal components.
Values > 0.7 (in bold) indicate which variables are retained for further analysis.

Stressor PC1 PC2

Channel profile/cross section alteration 0.882 −0.082
Channel morphology 0.872 −0.099

Habitat alteration 0.848 0.012
Stream hydrology 0.877 −0.093

Dams influence −0.137 0.35
Water abstraction 0.822 −0.048

Dykes 0.619 −0.282
DO −0.436 −0.225
pH −0.168 −0.21

Electrical conductivity 0.596 −0.109
Ammonium 0.407 0.799

Nitrate 0.283 0.834
Phosphate 0.268 0.82

Urbanization 0.325 0.167
Agriculture 0.868 −0.189
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Figure 3. Boxplots of the normalized IBMRGR index among the unstressed, moderately stressed and
stressed river reaches.

A simple Spearman correlation analysis between the IBMRGR index and the PC1
scores revealed a significant negative correlation (r = −0.81) which indicates a decline in the
macrophyte index with a simultaneous increase of the hydromorphological stress. A linear
regression showed a rather strong negative relationship (R2 = 0.63) between the biological
indicator (IBMRGR) and the stressor (PC1 scores) (Figure 4).

Water 2022, 14, x FOR PEER REVIEW 7 of 15 
 

 

 

Figure 3. Boxplots of the normalized IBMRGR index among the unstressed, moderately stressed and 

stressed river reaches. 

A simple Spearman correlation analysis between the IBMRGR index and the PC1 

scores revealed a significant negative correlation (r = −0.81) which indicates a decline in 

the macrophyte index with a simultaneous increase of the hydromorphological stress. A 

linear regression showed a rather strong negative relationship (R2 = 0.63) between the bi-

ological indicator (IBMRGR) and the stressor (PC1 scores) (Figure 4). 

 

Figure 4. Linear regression between the normalized IBMRGR index and the scores of PC1. Higher 

PC1 values indicate higher levels of stress. Shaded area represents the 95% confidence intervals. 

Figure 4. Linear regression between the normalized IBMRGR index and the scores of PC1. Higher
PC1 values indicate higher levels of stress. Shaded area represents the 95% confidence intervals.

119



Water 2022, 14, 2771

3.2. Definition of the Ecological Class Boundaries of the IBMRGR

The next step was the definition of the ecological class boundaries of the IBMRGR
index, so the index is WFD compliant. For this purpose the index was first normalized [30]
to a range from 0 to 1. The boundary value of the normalized index between the High and
the Good ecological quality class is the 25th percentile of the unstressed sites (0.69). The
boundaries between the other quality classes are derived by dividing the 25th percentile
of the unstressed sites (0.69) to the four remaining quality classes. Thus, the boundary
between Good and Moderate is 0.518, between Moderate and Poor is 0.345 and between
Poor and Bad is 0.173 (Figure 5).
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3.3. Ecological Classification of the River Sites

The implementation of the index classified 15 sites as Good and 19 sites as High
ecological quality classes. Thus, 45 from the total 79 sites failed the target of the Good
quality class having either Bad, Poor or Moderate with the majority of them (27) classified
as Poor (Figure 6). These results are generally in agreement with classification schemes
based on other BQEs (e.g., benthic invertebrates and diatoms) [18,32] that have shown that
a large share of rivers and streams in Greece is classified with less than Good ecological
quality. This pattern is generally found in the whole of Europe where 40 to 50% of water
bodies have failed the target of the Good ecological quality [33,34]. Currently there is a
long discussion on why European freshwaters have not improved after the implementation
of the measures proposed by the River Basin Management Plans and the Programmes of
Measures [34,35], but deciphering the causes is a quite complex matter and beyond the
scope of this study.
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Figure 6. (a) Distribution of the normalized IBMRGR and (b) histogram of the ecological quality classes
for all the studied reaches. Both plots show a high frequency of low values of normalized IBMRGR

and Poor ecological quality. More than half of the river reaches have failed the Good ecological
quality threshold. Subplot (c) shows boxplots of the normalized IBMR per class of ecological quality.

Since the WFD requires from the member states to differentiate the water bodies to
types and establish type-specific reference conditions [36], ecological status assessment
must be fulfilled for each type separately. Member states that share the same eco-region use
a harmonized typology. For the Mediterranean region there are currently six intercalibration
river types which are described as R-M1: Small, medium altitude Mediterranean streams
with strong seasonal flow; R-M2: Small-medium lowland Mediterranean streams; R–M3:
Large Mediterranean streams with strong seasonal flow; R-M4: Small–medium Mediter-
ranean mountain streams with strong seasonal flow; R-M5: Small lowland temporary
streams with temporary flow and VL: Very large rivers [32].

A first attempt to assess the ecological quality of the sites per intercalibration river
type was made only for those types that were represented by a sufficient number of sites.
The total of the 93 sites that were considered initially for the ecological assessment with
the use of macrophytes are classified into three distinct river types, R-M1, R-M2 and R-M3.
The majority (52) are characterized as R-M2, 35 sites as R-M1 and only 6 sites are classified
as R-M3. Thus, the statistical analysis that involves the definition of a stressor gradient and
quality class boundaries was only feasible for the types R-M1 and R-M2.

The methodology is the same as described in Sections 2.2 and 2.3. A MVAOS PCA was
conducted separately for each type to identify the main stressor gradient and to distinguish
the less disturbed or unstressed sites (Figure 7). Then the quality class boundaries are
defined as described previously (Table 3).
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Figure 7. PCA biplots for sites belonging to ICT R-M1 (top) and R-M2 (bottom). PC1 components
indicate a strong gradient of hydromorphological stressors. Unstressed sites (red dots) are positioned
on the left part of the plot which, means low correlation with the stressor gradient.

Table 3. Quality class boundaries of the normalized IBMR defined for two MedGIG intercalibration
river types (R-M1 and R-M2).

Type
Ecological Quality Class Boundaries

High Good Moderate Poor Bad

MIN MAX MIN MAX MIN MAX MIN MAX MIN MAX

R-M1 >0.705 1 >0.529 ≤0.705 >0.352 ≤0.529 >0.176 ≤0.352 0 ≤0.176

R-M2 >0.754 1 >0.567 ≤0.754 >0.378 ≤0.567 >0.189 ≤0.378 0 ≤0.189

The linear regressions between the IBMRGR and the PC1 scores for each river type
(R-M1 and R-M2) showed relatively good relationships with R2 of 0.692 and 0.632 respec-
tively (Figure 8). Most of the R-M1 sites (9 of 31) were classified as Bad, whereas only 6 sites
met the target of the Good ecological quality class. Nine sites were not classified because
only two or less macrophyte species with a specific score CS were recorded. For R-M2 sites,
22 of the 47 assessed sites had a Good or High quality class, 10 were classified as Moderate
and 15 as Bad and Poor. In general, R-M2 sites showed better ecological quality conditions
than the R-M1 sites.
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3.4. The Use of the IBMRGR Index for Ecological Classification of Greek Running
Waters—Strengths and Potential Caveats

The assessment of riverine ecological quality with the IBMR is a quite common method
applied in several EU member states [13,37]. Although the index was primarily built
to reflect the macrophyte responses to organic and trophic pollution gradients [17], in
our case it was shown to correlate positively with a gradient of hydromorphological
alterations. In Greece, hydromorphological modifications, such as bank and channel
resectioning and realignment, are common stressors that occur in many river courses [38].
On many occasions, they are attributed to expansion of the agricultures [38] and other
human activities and may co-occur with other perturbations, including point-sources of
organic pollution [21]. This finding corroborates the results of previous studies done in
different types of running water-bodies [39,40]. It is highly likely that hydromorphologically
perturbed sites are also polluted. In our case, the PCA of the main stressor metrics showed
that some of the most impaired sites were also related with the second PC component,
which represents a gradient of ammonium, nitrate and phosphate concentrations in water.
Still, we should bear in mind that the presented results derive from the pilot application
of the index in rivers in Greece, and, as such the total number of tested sites is considered
relatively small to exclude ultimate conclusions. An overall assessment of all the sites,
regardless their typology, revealed rather promising results but further testing on discrete
river types requires extensive collection of field data not only on macrophytes but mostly
on environmental descriptors of key stressors. Here, we were able to test the IBMRGR
index on two MedGIG types (R-M1 and R-M2) and we found relatively strong relationships
between the index and the stressor gradient. These two types refer to mid-altitude or
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lowland streams which are characterized by seasonal flows and show diverse aquatic
plant communities [2]. For other river types, such as very large rivers and temporary
streams, the application of the index might be problematic. For instance, macrophyte
sampling at very large rivers or rivers of the type R-M3 might be less effective due to
limitations associated with the large channel dimensions (depth and width) or muddy
and clay substrate conditions. In addition, large rivers are more likely to be regulated and
present frequent hydropeaking which although it plays a major role in shaping riparian
plant communities [40–42], it may not be considered as a key stressor by the ecological
assessment schemes. This is not a problem only for macrophytes but for other BQEs as
well. Especially for countries where it is difficult to define sites with “reference conditions”
different and additional approaches might be optimal [43,44]. Low land large rivers
for example are more likely to be degraded and present a short gradient of pollution
which makes it very challenging to identify sites with near natural conditions in terms of
organic and nutrient pollution. For temporary streams, indicator species during low flow
and dry conditions might be absent [4], which makes non-feasible the estimation of the
index [45]. If there is not a sufficient number of indicator species the index will produce an
unreliable result [1]. In our case, several sites were excluded from the ecological assessment
because of a low number of indicator species. To deal with this issue, indicator species
lists should be adjusted to include more new species that are characteristic to the local
conditions [1,46]. Overall, the results of our research show that the macrophyte index
IBMRGR can be used as a reliable indicator for the biological assessment of water quality
and therefore it is recommended for future use in river management planning. Despite
these promising results, there is still a need for expanding the stressor gradient, including
additional monitoring sites. Future studies could then allow a comparative assessment
between indices from different BQEs for the same water bodies [47] which would provide
useful insights about the implementation of the ecological monitoring and assessment
of the riverine systems, and promote the knowledge exchange towards to an enhanced
management of rivers and riparian zones [48].

4. Conclusions

With this article we presented the first ever detailed overview of the implementation
of a biological index based on macrophytes for the ecological assessment of the riverine
ecosystems of Greece according to the guidelines of the WFD 2000/60. We showed that
the IBMRGR index for Greek rivers relates strongly with the main stressor gradient and
can distinguish the monitoring sites according to the stress level. We also found that the
hydromorphological modifications were the main environmental stressors that correlated
strongly with the IBMRGR, whereas physicochemical stressors were of lesser importance.
From a management perspective this means that mitigation and restoration measures
should prioritize the recovery of the hydromorphologial functionality in order to improve
the ecological quality and the overall ecosystem status. Furthermore, the results from the
ecological classification showed that almost 40% of the sites had Good or High ecological
quality, which is close to what other classification schemes have shown. Still, a type-specific
classification such as the WFD dictates was only possible for two Mediterranean river types,
mostly because of the small number of sites for the other types that did not allow for reliable
statistical treatments. Nevertheless, the overall results are promising and indicate that the
IBMRGR index is an efficient and applicable index for the rivers of Greece. However, future
research is needed to explore the feasibility of application to additional river types and to
strengthen the relationship between the index and the stressor gradient by collecting more,
and possibly new metrics that could expand the range of the gradient.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/10
.3390/w14182771/s1. Table S1: A checklist with the plant species found at the studied sites.
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1. Aguiar, F.C.; Segurado, P.; Urbanič, G.; Cambra, J.; Chauvin, C.; Ciadamidaro, S.; Dörflinger, G.; Ferreira, J.; Germ, M.; Manolaki,

P.; et al. Comparability of River Quality Assessment Using Macrophytes: A Multi-Step Procedure to Overcome Biogeographical
Differences. Sci. Total Environ. 2014, 476–477, 757–767. [CrossRef] [PubMed]

2. Stefanidis, K.; Oikonomou, A.; Papastergiadou, E. Responses of Different Facets of Aquatic Plant Diversity along Environmental
Gradients in Mediterranean Streams: Results from Rivers of Greece. J. Environ. Manag. 2021, 296, 113307. [CrossRef] [PubMed]

3. Stefanidis, K.; Papastergiadou, E. Linkages between Macrophyte Functional Traits and Water Quality: Insights from a Study in
Freshwater Lakes of Greece. Water 2019, 11, 1047. [CrossRef]

4. Manolaki, P.; Guo, K.; Vieira, C.; Papastergiadou, E.; Riis, T. Hydromorphology as a Controlling Factor of Macrophytes Assemblage
Structure and Functional Traits in the Semi-Arid European Mediterranean Streams. Sci. Total Environ. 2020, 703, 134658. [CrossRef]

5. Tremp, H.; Kohler, A. The Usefulness of Macrophyte Monitoring-Systems, Exemplified on Eutrophication and Acidification of
Running Waters. Acta Bot. Gall. 1995, 142, 541–550. [CrossRef]

6. Szoszkiewicz, K.; Ciecierska, H.; Kolada, A.; Schneider, S.C.; Szwabińska, M.; Ruszczyńska, J. Parameters Structuring Macrophyte
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Beklioğlu, M.; et al. Impacts of Multiple Stressors on Freshwater Biota across Spatial Scales and Ecosystems. Nat. Ecol. Evol. 2020,
4, 1060–1068. [CrossRef]

36. European Commision. Common Implementation Strategy for the Water Framework Directive (2000/60/EC). Guidance
Document n. 10. River and Lakes—Typology, Reference Conditions and Classification Systems. 2003. Available online:
https://circabc.europa.eu/sd/a/dce34c8d-6e3d-469a-a6f3-b733b829b691/Guidance%20No%2010%20-%20references%20
conditions%20inland%20waters%20-%20REFCOND%20(WG%202.3).pdf (accessed on 15 July 2022).

37. Wiegleb, G.; Gebler, D.; van de Weyer, K.; Birk, S. Comparative Test of Ecological Assessment Methods of Lowland Streams Based
on Long-Term Monitoring Data of Macrophytes. Sci. Total Environ. 2016, 541, 1269–1281. [CrossRef]

38. Stefanidis, K.; Latsiou, A.; Kouvarda, T.; Lampou, A.; Kalaitzakis, N.; Gritzalis, K.; Dimitriou, E. Disentangling the Main
Components of Hydromorphological Modifications at Reach Scale in Rivers of Greece. Hydrology 2020, 7, 22. [CrossRef]
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Abstract: Increasing intensity of storms, typhoons, and sea level rise in conjunction with high
water demand, especially for agriculture, in dry seasons in the Red River Delta may have led to
seawater intruding deeper into the rivers’ estuaries. Given that losses of agricultural productivity
and shortages of freshwater resources are projected, a reliable early warning of salinity invasion
is, therefore, crucially needed. To evaluate the impact of salinity variations on riverine ecosystems,
distribution patterns of meiofauna were examined at 20 stations along the Van Uc River continuum
in the dry season. Meiofaunal richness indices were higher in the estuary and slightly decreased
upriver. Nematoda was the most dominant taxon in salty stations, while Rotifera was more abundant
in the less salty ones. A multiple variate analysis showed a strong interplay among salinity, nutrients,
and pore water conductivity, which shaped the meiofaunal distribution. The inclusion of pore water
salinity, nutrients, and meiofaunal community structure indicated a greater extent of the saline
ecosystem in the estuary, posing a greater risk of freshwater salinization. Our results highlight the
potential role of meiofauna as bioindicators but also call for a reformation of salinity assessment for
better freshwater conservation and management.

Keywords: salinity intrusion; meiofauna; community structure; bioindicator; ecotone

1. Introduction

River ecosystems are pivotal for humanity as they provide water for agriculture,
industry, and power generation, as well as support high biodiversity values and many
vital ecosystem services [1,2]. Nonetheless, given their strong economic potential, urban-
ization and industrialization rates in such river basins are often rapid, which increase
competition for water resources and add more contaminants to aquatic environments [3].
Additionally, riverine ecosystems in low-lying areas are particularly susceptible to climate
change, putting these habitats under serious threat [4]. Deterioration of water quality in
both surface and groundwater are projected to be worsened in many regions, challenging
the achievement of Sustainable Development Goals 6 (SDGs, clean water for all) and 11
(life below water). Hence, there is an urgent need for early warning systems and better
management of rivers to provide multiple sustainable benefits [2,3].
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As the third largest river in the Red River Delta, Vietnam, the Van Uc River has con-
tributed to local livelihoods and the development of the city of Hai Phong, an important
location in the northern key economic region of Vietnam [5]. Nevertheless, as with other
rivers in the large coastal cities, the water quality degradation induced by both anthro-
pogenic pollution and natural disturbance is a major concern to this densely populated
river–sea continuum [6,7]. Nguyen et al. [8] emphasized a significant sea level rise trend in
the Hai Phong coastal area, with a remarkably accelerated rate in the last 20 years (14.7 cm
in comparison with 21.4 cm over 60 years). Seawater intrusion has recently been recorded
moving further landward with longer retention [9–11]. Such events of extreme salinity intru-
sion in the northern region adversely impacted crop production and threatened freshwater
resources [9,10,12].

It is worth highlighting that higher release of toxic heavy metals from the sediment to
water environments, and increased heavy metal uptake by living aquatic organisms, have
been observed, both induced by elevated salinity [13,14]. Additionally, as invertebrates
with a freshwater affinity are sensitive to salinity change, their community structure will
be altered by the intrusion of salt-tolerant or brackish species [15,16]. Those salt-tolerant
species are poised to colonize new areas and expand their range, which can have severe
impacts on ecological interactions and processes by altering the original components of the
food web in a particular ecosystem [17]. The increase in salt concentration in the river, even
in a small amount, has had results ranging from ecological mortality to sublethal effects,
which, in turn, lead to biodiversity loss and reduction in related ecosystem services [18–20].
Hence, in the light of rapid population growth, increased demand for freshwater, and
predicted climate change effects and biodiversity loss, a thorough assessment of salinity
invasion impacts on the Van Uc River ecosystems is crucially needed to improve the city’s
risk mitigation and adaptation strategies.

The monitoring of salinity intrusion is often conducted using either direct water
property measurements or remote sensing techniques [21]. Nonetheless, such approaches
cannot reflect the integration of diverse environmental factors nor the long-term sustain-
ability of river ecosystems [22]. In contrast, bioindicators are used to define the health of
an ecosystem; they not only provide insights into their own response to environmental
disturbance but also are capable of predicting how ecosystems might respond to future
conditions [23,24]. Bioindicators are, therefore, among the proposed tools for monitoring
ecological integrity and environmental pollution, with high applicability to water quality as-
sessment [23,25]. Nonetheless, climate change impacts on freshwater environments are less
well known compared to the terrestrial or marine realm [26]. Regarding salinity intrusion,
numerous studies have focused on monitoring water quality changes and the hydrodynam-
ics of both surface and groundwater in the saltwater-invaded area and its adjacent aquifer,
yet few have addressed the response of organisms to saltwater intrusion [27,28].

Predominantly inhabiting the surface/groundwater interface, meiofauna, that is, small
invertebrate species, have been widely used in many environmental quality assessments,
owing to their benthic lifestyle, short generation time, and fast response to changing condi-
tions [29–31]. Shifts in meiofaunal density, community structure, functioning traits, and
other associated ecological indices have often been linked with or indicated for a wide range
of environmental perturbations such as eutrophication, heavy metals, pesticides, seasonal
variations, physical disturbance, and so on [31–35]. Importantly, the high sensitivity of
meiofauna to salinity variations has been widely observed, including in polar, temperate,
and tropical ecosystems [36–40], emphasizing their valuable role as a bioindicator for saline
water invasion. However, only a few papers concern the composition of meiofaunal com-
munities in Vietnam, and there remains a particular knowledge gap for meiofauna in the
northern areas.

This study, therefore, aims to (i) investigate the changes in distribution patterns of
meiofauna assemblages between different riverine habitats (upstream, freshwater/brackish
ecotone, and downstream), and (ii) evaluate the shifts in community structure in relation to
salinity variations along the Van Uc River.

129



Water 2023, 15, 1278

2. Materials and Methods
2.1. Study Area

Located in the Red River Delta, the second largest of the important agriculture areas
in Vietnam, the Van Uc River flows through the city of Hai Phong and finally meets the
East Sea of Vietnam. The Van Uc River belongs to the Thai Binh River system and is one
of nine distributaries of the Red River. It receives water and sediments inputs from both
the Red River and the Thai Binh River via a complex network within the Red River Delta.
The total river discharge through the Van Uc estuary was estimated at approximately
17.7 × 109 m3/y (during the period 1989–2010), corresponding to 14.5% of the total water
discharge from the Red–Thai Binh system into the Gulf of Tonkin [6]. The Van Uc sediment
flux represents 14.4% of the total sediment flux of the Red–Thai Binh River to the Red River
coastal area. Therefore, the Van Uc River is the third most important distributary of the
Red River Delta in terms of water and sediment discharges (after the Day River and the
Ba Lat River mouth). The Van Uc estuary is subjected to the Southeast Asian sub-tropical
monsoon climate and experiences two distinct seasons, a wet season (May–October) and a
dry season (November–April).

2.2. Sampling and Sample Processing

Samples were collected along the Van Uc River during the dry season in April 2021.
Twenty sampling stations were selected following the salinity gradients, which presented
downstream, brackish/freshwater ecotone, and upstream habitats (Figure 1, Table 1). It
is worth noting that earlier in the dry season, the leading edge of saline water entering
the river was estimated to reach 26–28 km upstream with a drastic change in salinity from
brackish to freshwater occurred at 26 km (Figure 1, Km-26) from the sea [11]. In addition,
the Van Uc River is characterized by a strong stratification of two distinct water masses
during the dry season, with freshwater flowing seaward at the surface and seawater flowing
landward near the bed [5]. Such typical estuarine circulation results from the combination
of the longitudinal pressure gradient (a barotropic force, constant as a function of depth,
and acting in a down-estuary direction) and the longitudinal density (salinity) gradient
(a baroclinic force, increasing almost linearly with depth and acting in an up-estuary
direction) [41]. Therefore, in order to track the salt front movement, the sediment samples
were intensively taken both upriver and downriver from the station VU12 (Figure 1, Km-26)
to assess the spatial changes in both environmental conditions and meiofaunal communities.
The geographical coordinates and a brief description of the sampling stations are given
in Table 1.

At each station, a Ponar grab sampler (sample area of 152 × 152 mm, at 4 m depth)
was deployed three times to collect sediment. From the grab-sampling sediment, three
subsamples for meiofauna and six others for environmental variable analyses, including
granulometry and nutrient content, were then retrieved by inserting plexiglass corers (inner
diameter, 3.4 cm, area 10 cm2) down to 7 cm depth. All meiofauna samples were treated
with 7% MgCl2 to anesthetize organisms and then preserved in 4% formaldehyde solution
while the other sediment samples were frozen until further analysis.

In the laboratory, the meiofauna samples were extracted by flotation with Ludox-TM50
(specific gravity of 1.18) and stained with Rose Bengal (0.5 g L−1) before being enumerated
and identified to the major taxon level under a stereomicroscope (EMZ-13TR, Meijitechno,
San Jose, CA, USA). The following diversity indices were calculated for meiobenthos to
assess their efficiency in describing environmental conditions [42]: the Margalef biodiversity
(d), the Shannon index (H′), Pielou’s evenness index (J′), and the Hill indices (N1, N2).

In addition, granulometric analyses were carried out in the laboratory using a Mas-
tersizer 3000 (Malvern Panalytical, Malvern, Westborough, MA, USA). Organic matter in
the sediment was estimated using the weight loss on ignition method and presented as the
percentage of total matter (OM). Total phosphorous (TP) was measured using the vanado-
molybdophosphoric acid colorimetric method, while total nitrogen (TN) was detected
following the method of ISO 11464: 1994. Other environmental parameters, including

130



Water 2023, 15, 1278

salinity and dissolved oxygen, were measured in the surface water, pH and temperature
were measured in situ for both surface water (Hanna HI98194; Cluj, Romania) and pore
water in the sediment, and electrical conductivity was measured to evaluate the salinity of
pore water in the sediment (ECs; Field Scout Direct Soil EC Meter and pH meter; Spectrum
Technology, Inc., Aurora, IL, USA).
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Table 1. Description of sampling sites.

Habitat Station
Geographical Location

Description
Latitude Longitude

Downstream VU1 20.678319 106.700849
Estuary, dense mangrove forest

Downstream VU2 20.682121 106.698022

Downstream VU3 20.688487 106.693951 Mangrove forest, next to a freshwater
outlet from agriculture irrigation channel

Downstream VU4 20.695359 106.685127
Scattered distribution of mangroves

Downstream VU5 20.69464 106.652553
Downstream VU6 20.712204 106.613992 Close to livestock farm (pig)

Ecotone VU7 20.747069 106.565513 Close to rice field
Ecotone VU8 20.756267 106.555787 Close to rice field
Ecotone VU9 20.77239 106.548795 Close to rice field
Ecotone VU10 20.772398 106.548794 Close to polychaeta farm
Ecotone VU11 20.780523 106.544285 Close to rice field
Ecotone VU12 20.783151 106.542376 Close to rice field (26 km from the estuary)
Ecotone VU13 20.785923 106.541231 Close to polychaeta farm
Ecotone VU14 20.788484 106.540525 Close to rice field
Ecotone VU15 20.791128 106.53912 Riverbank under construction
Ecotone VU16 20.792836 106.536795 Close to rice field

Ecotone VU17 20.794296 106.536181 Close to polychaeta farm, on fertilized
soil/mud in the dry season

Upstream VU18 20.791533 106.525937
Industrial zone

Upstream VU19 20.786903 106.519853
Upstream VU20 20.791663 106.513265 Close to rice field
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2.3. Data Analysis

Principal component analysis (PCA) was applied to elucidate the interaction between
the environmental variables. To determine the water suitability for irrigation use, electrical
conductivity (EC) was classified into four classes according to Richards [43]: low salinity
for irrigation purpose (EC < 250 µScm−1), medium salinity (250 < EC < 750 µS cm−1), high
salinity (750 < EC < 2250 µS cm−1), and very high salinity (2250 < EC < 5000 µS cm−1).
All environmental variables were normalized prior to the calculation of an environmen-
tal resemblance matrix. The spatial changes for each variable were tested by one-way
PERMANOVA analysis (univariate, no transformation, Euclidean distance).

Differences among habitats were tested by a one-way ANOVA (analysis of variance,
factor: habitat) performed on meiobenthic univariate variables (density, ecological indices).
Homogeneity and normality of the dataset were checked using Kolmogorov–Smirnov tests.
When required, the data were log (1 + x) transformed. A post hoc Tukey’s test was applied
when significant differences were detected by ANOVA.

To address the variations of meiofauna community structure, PERMANOVA and
SIMPER analyses were performed. PERMANOVA tests were designed with one factor
(habitat) and performed on a meiofaunal community structure resemblance matrix (no
transformation, Bray–Curtis similarity). Pairwise tests were performed for the main factors
and interactions when significant results were obtained. Monte Carlo tests were applied
when the number of available permutations was <100. Similarity percentage (SIMPER)
analysis was used to determine which taxa were responsible for observed differences
between upstream and downstream stations.

The relationship between the environmental variables and the meiobenthic community
structure was explored by carrying out a BIOENV analysis and a distance-based linear
models (DistLM) routine [44] with forward selection of the independent variables and
999 permutations. Distance-based redundancy analysis (dbRDA) was then performed to
visualize the model output from the DistLM, which showed the influence of environmental
variables on meiofaunal communities.

All univariate and multivariate analyses were performed according to the procedures
described by Clark and Warwick [45], using the PRIMER V6 software package [46] and the
PERMANOVA+ add-on [44], except for the univariate analyses of meiofauna density and
ecological indices (STATISTICA 7).

3. Results
3.1. Environmental Variables

The PCA revealed a strong salinity influence on the sample distribution pattern, with
the first two principal components explaining 68.8% of the total variance (Figure 2). The
first axis (PC1) was defined by pore water electrical conductivity, salinity, and dissolved
oxygen and explained 44.1% of variance, while the second axis (PC2) was correlated with
sediment grain size together with water pH and explained 24.7% of variance. Three groups
of samples were formulated, representing three riverine habitats along a gradient of salin-
ity (Figure 3), with the first one, the downstream/brackish ecosystem, characterized by
oligohaline to mesohaline water and very high salinity for irrigation purposes (VU1–VU6),
while the second group (ecotone) was defined by oligohaline water and high salinity for
irrigation purposes (VU7–VU17). The last three stations represented upstream habitat
(freshwater), although their ECs were still medium salinity for irrigation purposes. Uni-
variate PERMANOVA (one-way, factor: habitat) analyses showed significant differences
between the three habitats, except for in the granulometric analysis (D50). Salinity, pore
water conductivity (ECs), dissolved oxygen (DO), and temperature significantly decreased
from the estuary toward upstream, while nutrients (TN, TP, OM) were significantly higher
in the ecotone and upstream habitats compared to downstream (Table 2).
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Figure 2. Principal component analysis based on environmental conditions in the Van Uc River
(PC1 = 44.1% and PC2 = 24.7%). The circle displays correlation coefficients of the variables with the
first two principal axes; the closer the projection vector is to the circle border, the higher the correlation
is between the considered variable and its associated axis. Tw—water temperature, Ts—sediment
temperature, DO—dissolved oxygen, pHw—pH of water, pHs—pH of sediment, D(50)—median
particle size, TN—total nitrogen, TP—total phosphorus, OM—organic matter, ECs—pore water
electrical conductivity, PSU—practical salinity unit.
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Table 2. Abiotic properties (mean ± SD, min.–max.) of sampling stations representing three habitats
along the Van Uc River. Tw — water temperature, Ts — sediment temperature, DO — dissolved
oxygen, pHw — pH of water, pHs — pH of sediment, D(50) — median particle size, TN — total
nitrogen, TP — total phosphorus, OM — organic matter, ECs — pore water electrical conductivity,
PSU—practical salinity unit.

Abiotic Factor
Downstream Ecotone Upstream One-Way PERMANOVA

Mean ± SD Min.–Max. Mean ± SD Min.–Max. Mean ± SD Min.–Max. df MS Pseudo-F p

PSU 4.07 ± 0.84 3.16–5.75 0.54 ± 0.19 0.22–0.83 0.24 ± 0.1 0.11–0.31 2 27.272 348.8 0.001
ECs (µScm−1) 6503 ± 2048 3800–9400 1064 ± 270 640–1480 583 ± 75 520–680 2 24.8 150.39 0.001

Ts (◦C) 26.48 ± 0.49 25.8–27.1 26.23 ± 0.42 25.8–27.2 25.87 ± 0.43 25.4–26.4 2 5.0129 5.8345 0.007
Tw (◦C) 25.94 ± 0.19 25.7–26.2 25.90 ± 0.16 25.6–26.2 25.44 ± 0.02 25.4–25.5 2 4.9071 5.6221 0.04
TN (%) 0.72 ± 0.24 0.39–1.04 2.13 ± 0.79 0.48–3.52 2.49 ± 0.09 2.36–2.57 2 16.92 38.335 0.001
TP (%) 0.14 ± 0.02 0.10–0.16 0.16 ± 0.01 0.14–0.18 0.16 ± 0.0005 0.16–0.161 2 5.3827 6.3609 0.006

OM (%) 3.39 ± 0.45 2.81–3.99 4.04 ± 0.48 2.77–4.66 3.95 ± 0.63 3.32–4.74 2 7.7696 10.19 0.001
D(50) (µm) 49.21 ± 27.27 22–98.9 56.21 ± 22.44 27.7–109 60.07 ± 15.61 38.6–76.7 2 0.8199 0.8148 0.45

DO (mgL−1) 5.59 ± 0.46 4.89–6.42 4.18 ± 0.23 3.88–4.73 3.22 ± 0.24 2.9–3.41 2 25.685 191.91 0.001
pHw 7.78 ± 0.1 7.54–7.92 7.81 ± 0.08 7.64–8.05 7.67 ± 0.06 7.61–7.77 2 7.2054 9.2108 0.001
pHs 7.2 ± 0.33 6.49–7.59 7.39 ± 0.12 7.2–7.72 7.38 ± 0.08 7.29–7.49 2 4.5527 5.201 0.016

3.2. Meiofauna Assemblage along the Van Uc River

The total meiofauna density (±SD) varied from 179 ± 27 inds/10 cm2 (VU16) to
1454 ± 723 inds/10 cm2 (VU14) (Figure 4). Higher variability of meiofaunal density was
observed in the ecotone ecosystem compared to the downstream and upstream ones.
Nevertheless, a one-way ANOVA test performed on the total meiofauna densities (under
log transformation) showed that there were no significant differences among the three
habitats (F = 2.482, p = 0.09).
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A total of 23 taxa were identified along the Van Uc River during the sampling period,
with Nematoda the most dominant taxon (72.6%), followed by Rotifera (19.1%), Copepoda
(2.2%), nauplii (1.1%), and others (4.1%). The “others” category contained all meiofaunal
taxa whose percentage of representation was less than 1%, including Bivalvia (0.89%),
Foraminifera (0.83%), Oligochaeta (0.74%), Polychaeta (0.6%), Amphipoda (0.55%), Turbel-
laria (0.35%), Ciliophora (0.33%), Ostracoda (0.13%), and Sipuncula (0.11%), together with
some taxa presented at a very low density (less than 0.1%) such as Insecta, Kinorhyncha,
Gastrotricha, Acari, Nemertea, Cumacea, Bryozoa, Isopoda, Gastropoda, and Tanaidacea.

The contribution of the different meiofaunal taxa present in the samples for each
sampling site during the dry season is shown in Figure 5. Nematodes were always the most
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abundant taxon, with the exception of VU14 and VU15, where Rotifera were predominant
(with, respectively, 80.86% and 78.77%). Copepodes and nauplii were also represented by
several individuals, changing, respectively, from 0.55% (VU13) and 0.32% (VU14) to 5.21%
(VU9) and 5.52% (VU5). The representation of the “others” category changed from 0.33%
(VU13) to 9.32% (VU20).
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Figure 5. Proportional composition of meiofauna and Rotifera/Nematoda ratio along the Van
Uc River.

The dynamics of nematodes and rotifers followed an inversely proportional relation-
ship. When the percentage of Nematoda decreased, the percentage of Rotifera increased
simultaneously and reciprocally. Moving inland, the Rotifera/Nematoda ratio in many
stations increased as there were fewer nematodes, but more rotifers were found, especially
in the ecotone, until nematodes took the lead again in the upstream habitat.

The significant changes in meiofaunal composition between stations were proven by
the results of the one-way PERMANOVA test, which showed a pseudo-F of 3.03 and a
p(perm)-value of 0.03 (Table 3).

Table 3. Results of one-way PERMANOVA test for meiofaunal community structure.

One-Way PERMANOVA

Source df SS MS Pseudo-F p (perm) Permutation

Habitat 2 4133.4 2066.7 3.0274 0.003 998
Res 57 38,911 682.65

Total 59 43,045

Pairwise Test

Groups t p (perm) perms p (MC)

Downstream, Ecotone 2.1901 0.001 999 0.001
Downstream, Upstream 1.4951 0.032 999 0.056

Ecotone, Upstream 1.1445 0.236 999 0.26

In addition, the SIMPER routine demonstrated a high level of dissimilarity of VU14
from VU15, mainly contributed by Rotifera (72–81%) and Nematodes (16–24%) (Table 4).
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Table 4. Results of the SIMPER analysis.

Station
Average

Similarity (%)

Taxa Contributions (%)

Nematodes Rotifers Polychaeta Turbellaria Nauplii Copepods Amphipoda Bivalves

VU1 60.85 95.24
VU2 92.88 95.86
VU3 73.88 93.23 1.56 1.48
VU4 68.43 73.42 17.07 1.98 2.74
VU5 66.21 83.88 2.14 7.25 3.84
VU6 75.45 80.79 10.33 2.58 2.88
VU7 81.70 81.54 8.19 3.24 3.74
VU8 63.80 91.18 5.44
VU9 91.28 73.22 14.93 5.54 5.02

VU10 74.75 89.51 7.94
VU11 82.46 97.21
VU12 77.85 93.22 3.05
VU13 80.13 99.14
VU14 65.11 23.95 72.93
VU15 70.26 16.82 81.50
VU16 79.76 75.75 12.09 9.16
VU17 88.69 90.98 2.99 2.18
VU18 82.48 93.34 2.53
VU19 80.44 83.35 8.71 4.12
VU20 65.94 82.13 3.72 2.77 3.06 5.30

3.3. Meiofaunal Ecological Indices

The meiofaunal richness (S) ranged between 6 in the ecotone (VU13) and 18 in the
downstream habitat (VU6), showing a slight decrease from the estuary toward upstream
(Figure 6). Being among the species richness indices, the Margalef biodiversity index (d) was
also highest in VU6 (1.804) and lowest in VU13 (0.682), which concurred with the changes in
the number of meiofaunal groups. The meiofaunal assemblage in VU13 was not only low in
diversity but also unequally distributed, with nematodes predominant, making for the lowest
Pielou’s evenness index score (J′) of 0.074 (VU13). The highest score for Pielou’s evenness
was obtained in VU16 (0.528). Furthermore, the maximum value of the Shannon index (H′)
was recorded at location VU3 (1.186), while the minimum value of this index was obtained at
location VU13 (0.126). Concerning Hill’s indices, N1 changed from 1.136 to 3.274, whereas N2
changed from 1.043 to 2.272. Both maxima were reached at location VU4.

One-way ANOVA tests performed on the different meiofaunal ecological indices
showed that only the Margalef biodiversity index was significantly different among the
three habitats, while the other four did not differ significantly. Results obtained from a pair-
wise comparison indicated that the Margalef index was significantly higher downstream
compared to the ecotone habitat (p < 0.05), but there were no significant differences between
the downstream and upstream, and ecotone and upstream, habitats.

3.4. Meiofauna in Relation to Environmental Variations

The marginal and sequential tests performed using the DistLM routine indicated that
salinity, ECs, nutrients (TN, TP), sediment temperature, and sediment grainsize (D50) were
environmental variables that significantly affected the community structure of meiofauna
along the Van Uc River (Table 5, p < 0.05). The ordination plot generated via analysis of
the linear model based on distance (dbRDA) revealed that 84.5% of fitted variation and
36.1% of total variation in meiofauna assemblages could be explained by the first two
axes (Figure 7a). dbRDA1 represented 26.8% of the total variation and 62.7% of the fitted
variation in the meiofaunal assemblages, showing a positive correlation with salinity and
sediment temperature. D50, TN, and TP were correlated with dbRDA2, which explained
8.2% of total variation and 22% of the fitted variation. The first axis represents the variation
of assemblages in relation to the spatial changes in salinity, with the right side of the
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graph characterized by a brackish condition downstream with higher salinity. In contrast,
ecotone samples were distributed on the left, with lower salinity values. The upstream
samples were localized in the middle, but showed greatest similarity with the meiofauna
in the ecotone. The second axis represents the spatial variation of meiofaunal assemblages
in response to nutrient and sediment grain size changes. In our study, the increasing
salinity was characterized by a greater diversity of meiofauna, with the predominance of
nematodes, copepods, nauplii, amphipods, other shrimp-like crustaceans, and polychaetes
(Figure 7b). In contrast, the left side of the graph, which presents ecotone and upstream
habitats, is dominated by rotifers, insect larvae, some isopods, and acari. Nematodes
were more abundant at the stations with higher salinity but lower nutrient contents, while
rotifers favored the less saline condition and high OM and TN. Interestingly, copepods
and nauplii mostly appeared in the direction of low TP and a coarser sediment grain size,
whereas the insect larvae followed the same trend as rotifers.
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Table 5. DistLM analysis results showing correlations between environmental variables and meio-
faunal community attributes along the Van Uc River. Values in red indicate significant correlations
(p < 0.05).

Marginal Tests Sequential Tests

Variables Pseudo-F p Variables R2 Pseudo-F p Res. df

pHw 0.80628 0.483 (+) pHw 0.013 0.80628 0.459 58
pHs 0.8369 0.498 (+) pHs 0.025 1.5032 0.207 57
DO 2.2615 0.072 (+) DO 0.056 1.0279 0.409 56
Ecs 3.0077 0.03 (+) Ecs 0.084 1.7092 0.142 55
PSU 4.3192 0.01 (+) PSU 0.152 4.2724 0.01 54
OM 1.6501 0.171 (+) OM 0.173 1.3829 0.231 53
TP 1.466 0.235 (+) TP 0.228 3.6862 0.009 52
TN 1.7807 0.131 (+) TN 0.287 4.2498 0.008 51
Tw 0.35302 0.842 (+) Tw 0.299 0.82954 0.451 50
Ts 2.4743 0.064 (+) Ts 0.371 5.5701 0.001 49

D(50) 4.5717 0.006 (+) D(50) 0.428 4.7905 0.002 48
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Figure 7. Distance−based redundancy analysis (dbRDA) of meiofaunal community responses to
environmental variations showing (a) vector overlays of predictor variables and (b) vector overlays of
species responses. The graph shows the effect of environmental variables on meiofauna community
structure based on Spearman’s rank correlations.

4. Discussion

Increasing salinization is a growing problem worldwide as it can heighten the stress
faced by freshwater organisms and their mortality, thereby adversely impacting ecosystem
functionality as well as the services and benefits to human societies that they provide [47].
Given species assemblages can shift to keep pace with climate change [48], gaining insight
into the community structure transitions resulting from saltwater intrusion is crucial for
managing and promoting coastal resilience [18]. In our study, the signature of saltwater
intrusion was shifting of the meiofaunal community structure toward elevated pore water
conductivity and surface water salinity along the Van Uc River.

It is widely accepted that one of the main factors influencing species distribution in es-
tuaries is salinity [49–51]. Our findings are, therefore, consistent with several studies, which
also identified salinity as an important independent factor determining meiobenthic com-
munities’ structure and describing total meiobenthic density and diversity changes [52–54].
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Estuarine meiofauna tend to decrease in abundance and number of species as one moves
from the sea to freshwater [55–57]. In our study, the meiofaunal richness indices (species
richness and Margalef index) of the Van Uc River followed a linear relationship between
species richness and salinity (Figure 6). A total of 23 taxa were identified during the dry
season in the Van Uc River, with a higher number of taxa found in the brackish ecosystem,
then slightly decreasing upstream. Our results revealed higher values compared to other
estuaries elsewhere. Soetaert et al. [52] found 13 meiofaunal taxa in five European estuaries,
while Pavlyuk et al. [58] recorded 11 taxonomical groups in the Cua-Luc estuary (North
Vietnam). In the Mira and Mondengo estuaries, the meiofauna richness were 17 and 12 taxa,
respectively [59,60]. Nevertheless, most of the studies in other estuaries were conducted in
the intertidal areas with rather high levels of salinity, meaning the studies presented only
the meiofaunal assemblage in the brackish ecosystem and neglected the communities in the
brackish/freshwater ecotone as well as the freshwater communities. Exceptionally, in the
Mekong Delta, where samples were collected across a wider range of salinity (0–25 PSU),
a similar result was obtained with a total of 23 taxa recorded along 19 stations of the five
estuaries [61].

Different from the richness indices, the meiofauna density in the Van Uc River was
higher in the brackish ecosystem (downstream) in comparison with the freshwater ones
(upstream), but the highest densities were observed at VU14 and VU17 (ecotone ecosys-
tem) (Figure 4). Such fluctuation in the ecotone meiofaunal density could be related to
the high environmental heterogeneity and/or the large amount of total nitrogen in the
transitional area (Table 2). It is worth noting that agricultural activities (practices of tillage,
rice crop fertilizing, and manuring for polychaeta farm) dominated along the two river-
banks during the sampling time, specifically from VU7 to VU20 (Table 1). Given that such
anthropogenic sources can contribute greatly to river nutrient loading [62], the nutrients
from the ecotone to freshwater ecosystems in the Van Uc River were considerably higher
in comparison with other estuaries [29]. Interestingly, the same patterns of meiofaunal
density were also observed at another five estuaries in the Mekong Delta [61], implying
the importance of combined effects of salinity and nutrients on meiofaunal assemblages.
Such interplay of several crucial environmental factors determining the discrepancy in the
distribution of meiobenthic communities is well recognized at several estuarine benthic
habitats worldwide [38,52,57,63,64].

In agreement with the above studies, our multivariate analysis revealed that the
estuarine environmental gradients were strongly reflected in the meiofauna community
structure, with salinity the greatest driving force, followed by TP, TN, and sediment
grain size (Figure 7). Unlike the results of PCA, which categorized all stations into three
groups based on environmental conditions alone, the distribution pattern of meiofauna
assemblages in the Van Uc River during the dry season represented two distinct groups:
the brackish and the merging ecotone–freshwater communities. Since meiofauna responses
to different environmental variables are often highly species-specific [31], their structural
parameters were found to be valuable indicators for detecting environmental changes,
providing more pronounced effects on a taxon rather than on total meiofauna [65]. In
our study, Nematoda was the most dominant taxon, which represented 72.6% of the total
meiofauna density during the dry season. The same result was observed in a few studies
worldwide [37,64]. The second abundant group of meiofauna was Rotifera, representing
19.2% during the dry season. This result is different compared to previous studies in other
estuaries, where Copepoda was recorded as the second most abundant group [52,66,67], or
Sarcomastigophora [68], Polychaeta [69], Tardigrada [70], or even Turbellaria [71].

As meiofauna respond differently to environmental variations depending on their
functional traits and life strategy, the occurrence of nematodes and rotifers changed re-
markably when there were salinity variations in the Van Uc River. More nematodes were
found in the saltier stations, while rotifers preferred less salty ecosystems (Figure 7). The
shifts in meiofaunal community structure occurred at VU14 and VU15, which exhibited the
minimum amount of Nematoda and maximum density of Rotifera. The same meiofaunal
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responses were observed at VU3, the brackish station that received freshwater discharge
from the irrigation channel. In these three stations, when a sudden reduction in ECs oc-
curred, a large proportion of Nematoda was replaced mainly by the rotifers and some other
meiofaunal groups. Rotifer density then decreased at VU16 and VU17, which could have
been in correlation with the elevated EC values at these two stations, implying sensitive
responses of meiofauna toward salinity variations. These results concurred with the study
of Majdi et al. [72] on meiofauna in the sediment of two headwater streams, Ems and
Fulbach, in Germany. Ems, which was lower in EC values, was predominantly demarked
by rotifers, with much fewer nematodes, while in Fulbach, with higher conductivity, ne-
matodes took the lead, followed by rotifers and other groups. Such drastic change in
meiofauna composition pairing with the fluctuation of pore water conductivity emphasizes
the important role of electrical conductivity/salinity in regulating riverine ecosystems.

Interestingly, at the brackish and marine-influenced ecotone stations (VU1–VU13),
the composition of Rotifera mainly consisted of marine ploima rotifers, whereas from
VU14 toward freshwater-influenced stations, freshwater bdelloid rotifers rapidly increased.
This calls for further research on what happened to the nematodes and other organisms.
Comparing to organisms such as copepods and cladocerans, rotifers are more opportunistic,
mainly due to their high reproductive rate. In many cases, they can quickly respond to
environmental stresses, showing high sensitivity to elevated salinity [73,74], which makes
them a valuable environmental indicator [75,76]. This result indicated that the leading
edge of salinity intrusion was penetrating further landward during the late dry season
compared to the estimation of salinity intrusion in the study by Nguyen et al. [11], which
was conducted in an early month of the dry season. Our findings, therefore, highlight
the potential risk of salinization as the water quality at most stations was classified from
medium salinity to very high salinity for irrigation purposes during the dry season.

Along with salinity, nutrient enrichment is recognized as another very important
factor influencing the meiobenthic taxa composition and abundance patterns [77,78]. In our
study, the low density of Copepoda could have been related to the high nutrient contents
(TP, TN) and organic matter in the sediment. Additionally, the overall low dissolved
oxygen in the river could also have reduced this group as harpacticoid copepods are
the most sensitive meiofauna taxon to low oxygen concentrations [79]. In contrast, the
substantial decrease in dissolved oxygen (DO < 4 mgL−1) in the upstream ecosystem
(VU18–VU20) seems to have adversely impacted the rotifers and other meiofaunal groups,
leaving a high percentage of nematodes, owing to their high anaerobic capacity [80]. The
role of dissolved oxygen in structuring the benthic meiofauna was evidenced previously
in several studies [81–83]. Erikson et al. [84] obtained the same results, showing strong
interactions between nutrient inputs and oxygen depletion in tropical lowland rivers. Our
findings suggest that the Van Uc River is not only subjected to salinity intrusion but also
highly sensitive to pollution by nutrients and organic matter, with substantial impacts
on meiofaunal community composition. However, intensive fertilizer use can increase
soil salinity [85], which calls for salinity assessments to be reformed to better evaluate
the freshwater salinization in the Van Uc River, induced by either the movement of the
seawater or excessive fertilization, or both.

5. Conclusions

The meiofaunal community in the Van Uc River was characterized by high abundance
and diversity. A total of 23 taxa were identified, with Nematoda the most dominant taxon
and playing an important role in controlling the characteristics of the meiofauna assem-
blages, followed by Rotifera, Copepoda, nauplii, and other groups. Meiofaunal richness
indices were higher in the estuary and slightly decreased upriver. In addition, the estuarine
gradients were strongly reflected by the meiofaunal community structure, with salinity the
greatest driving force, including salinity in the water column and pore water salinity (repre-
sented as electrical conductivity) in the sediment. The dynamics of meiofaunal density and
community structure were best determined by the interplays among salinity, nutrients, and
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dissolved oxygen. Both meiofaunal responses and environmental parameters of the Van Uc
River indicated a high risk of salinization coupled with pollution induced by nutrients and
organic matter. Further studies on nematode and rotifer interactions are needed as they
may serve as a potential indicator for salinity intrusion assessment in long-term studies,
especially in the context of climate change, in the future. Finally, it is also recommended that
both natural salinity intrusion processes and anthropogenic-induced salinization should
be considered, to gain insights into the dynamics of the salt front movement, which will
support the development of better mitigation and adaptation strategies.
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Abstract: Akinete is a survival structure in cyanobacteria that has overcome unfavorable environmen-
tal conditions and influences their perennial blooms in the freshwater system. However, the akinete
cellular and biochemical properties are insufficiently explored. We analyzed the akinete structure, as
well as akinete-specific proteins and their amino acid sequence. Akinetes of Dolichospermum circinale
were produced from their vegetative cells isolated from the North Han River, Korea. The akinete pro-
tein was obtained using electrophoresis, and utilizing its amino acid sequences, its antibody-binding
reaction potential (ig-score) was quantified. Akinete protein masses were 17 kDa–180 kDa, and the
akinete protein mass was 110 kDa. The ig score was high (average 5.0121 points) in the first half of the
amino acid sequence, indicating a β-turn form. The amino acid sequence, having over 50% homology
with the D. circinale akinete protein, was not present in GenBank. The homology of the D. circinale
akinete-specific protein was very low (9.8%) compared to that of Anabaena variabilis, indicating that its
composition was substantially different, even among phylogenetically close taxa. To the best of our
knowledge, this is the first report on the D. circinale akinete protein and its amino acid sequence, with
preliminary information for their practical application for detecting akinetes in freshwater systems.

Keywords: cyanobacteria; akinete; protein; amino acid; antibody; Dolichospermum circinale; North
Han River

1. Introduction

Cyanobacteria from the orders of Nostocales and Stigonematales form akinetes as a
survival structure [1]. Akinetes located in the sediment can survive in adverse environ-
mental conditions for a long period; when conditions become favorable, they germinate to
develop vegetative cells that could proliferate in the water layers [2–4]. Some filamentous
cyanobacteria forming akinete, such as Dolichospermum, Aphanizomenon, and Cylindrosper-
mopsis, are known to be harmful because they cause blooms and produce odorous materials
and toxins, thereby causing negative effects on water use and ecosystem health [4–7].
Therefore, information on the spatiotemporal distribution of akinetes in the sediment and
factors affecting akinete germination provides important evidence for early warnings in
water management, since they can serve as one of the precursors to cyanobacterial blooms
in the area [8,9].

Akinete detection in situ has some constraints because it is located in the sediment.
Analyzing ambient distribution and the abundance of akinetes requires their separation
directly from the sediment, followed by their microscopic observation [10–12]. In the
conventional method dealing with akinetes from sediment samples, cells are separated
individually using micropipettes after ultra-sonication and serial size fractionation [13].
However, it is difficult to completely remove soil particles and organic materials attached
to akinetes, preventing the complete separation of the akinete from the sediment. The
efficiency of the various separation methods varies; therefore, the need for an effective
detection method has been increasingly recognized [14–16].
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Molecular-level detection techniques, which are based on DNA and mRNA, could
overcome the limitations of the physical separation methods [17–19], because they utilize
the whole sediment without an akinete separation process. Several studies have been con-
ducted on cyanobacteria that possess genes producing harmful material, using molecular
detection to overcome the limitations of microscopic analysis [20–22]. Similarly, in the field
of akinete monitoring, molecular techniques would be more useful to detect akinete cells
in the sediment [23]. However, there are limitations to molecular detection on the gene
level. With DNA-based methods, it is difficult to either selectively amplify or stain the
DNA of akinete cells as demonstrated in the PCR and CARD-FISH (catalyzed reporter
deposition–fluorescence in situ hybridization) methods; therefore, it is difficult to verify
actual akinete production. Furthermore, there is a time limit of the mRNA-based method
for detecting akinete in situ, because mRNA can only be detected for a short period when
the akinetes are formed.

The akinete protein persists for a prolonged period in the sediment environment, be-
cause the akinete possesses a thick cell wall. In addition, the protein degrades more slowly
than mRNA after synthesis. Therefore, if the akinete protein is applied, the limitation of the
short detection period that occurs at the mRNA level can be overcome. To date, however,
there are limited studies on akinete proteins and the amino acid sequences. Information
on the akinete protein and its amino acid sequence for only Anabaena variabilis and An-
abaena cylindrica are available in the global amino acid database (NCBI: National Center
for Biotechnology Information) [24–26]. Currently, there is no information regarding the
akinete protein of Dolichospermum circinale, which frequently causes blooms and produces
toxins and geosmin in eutrophic freshwater systems [27].

The purpose of this study was to elucidate the akinete-specific protein and the amino
acid sequence of the harmful cyanobacterium, D. circinale. The result will be an important
addition to akinete protein research and provide preliminary information for developing
akinete detection methods.

2. Materials and Methods
2.1. D. circinale Isolation and Culture

Vegetative cells of D. circinale were collected from the downstream area of the North
Han River (37◦35′16.72′′, 127◦20′25.23′′) in August 2015, during its bloom. They were
stored in a cool icebox immediately after collection and transported to the laboratory within
5 h. The filaments of D. circinale were separated into a single strand using the capillary
method [28], and the single strand was inoculated on a 96-well plate (Falcon®, Newark, NY,
USA) containing the BG-11 medium (Merck Co., Darmstadt, Germany) [29]. Thereafter, the
cells were cultured for 30 d in an incubator (VS-8480, Vision, Daejeon, Republic of Korea)
at 25 ◦C and a light intensity of 130 µE/m2/s (14:10 = L:D). A healthy strain showing
good growth in the well plate was selected and transferred into a flask with 100 mL BG-11
medium (Merck Co.), and the culture was grown until it reached the log phase.

Akinetes from natural samples to be used for analyzing morphological characteristics
were collected from a surface layer of the sediment. The sediment sample was collected us-
ing a core sampler (Uwitec, Mondsee, Austria) at the same place as the sampled vegetative
cells. The collected sediment sample was then transferred to the laboratory, and 1 g (w/w)
was suspended in sterilized water. The suspension was treated twice with ultrasound
for 20 s using an ultrasonic device (JAC 4020 type, 60 Hz, 620 w, Ultrasonic, Hwasung-si,
Republic of Korea). The pulverized suspension was sequentially filtered through 100, 60,
and 10 µm nylon mesh to isolate akinetes. Following the panning method [13], the filtrate
was placed on a petri dish (12 cm in diameter), and from the top layer, the floating particles
were isolated and mixed with filtered (0.2 µm) sterile water to a final volume of 10 mL. The
final solution was stored in a dark brown glass bottle at approximately 4 ◦C.
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2.2. Akinete Preparation

A laboratory designed culture chamber was used to induce akinete formation from
D. circinale vegetative cells. The chamber could be operated such that the upper and lower
parts were separate to simulate the water layer and the sediment, respectively [30]. D. circi-
nale vegetative cells were inoculated at a density of 5 × 104 cells/mL in the upper cylinder
filled with BG-11 medium. Artificial sediment [31] formulated in the laboratory was placed
in the lower cylinder. The chamber, equipped with both the upper and lower cylinders,
was placed in an incubator at 20 ◦C and a light intensity of 30 µE/m2/s (14:10 = L:D) for
5 d to induce akinetes [30]. Akinetes were collected from the sediment of the lower cylinder
in the chamber, concentrated using a 10 µm sieve in 10 mL of distilled water, and stored in
a dark brown glass bottle under refrigeration at 4 ◦C.

Subsequently, 1 mL of the refrigerated sample was placed in a Sedgwick–Rafter
chamber and the morphological features [32,33] of the akinetes were observed at 400×
magnification on an inverted microscope (Axiovert A1, Zeiss, Oberkochen, Germany)
(Figure S1). The akinetes were separated individually using a microcapillary [34]. The
external morphology of the separated akinetes was examined using an optical microscope
(Axio Scope A1, Zeiss) and scanning electron microscope (JSM-7500, Jeol, Akishima, Japan).

2.3. Protein Extraction from Akinete and Vegetative Cell

D. circinale akinetes and vegetative cells were transferred to different microtubes and
centrifuged at 20,000 rpm (6708× g) for 30 min. The supernatant of each sample was
removed and lysis buffer (50 mM Tris-HCl pH 8.0, 150 mM NaCl, 5 mM EDTA,1% NP-40,
and protease inhibitor cocktail) was added and left to react for 5 min on ice to facilitate
cell lysis. The intracellular substances of the reacted samples were eluted with ultrasound
homogenizers (VCX500, Sonics & Materials, Inc., Newtown, CT, USA). The soluble protein
present in the supernatant was separated using centrifugation at 4 ◦C and 13,000 rpm
(2834× g) for 10 min. Separated proteins were analyzed using the Bradford assay [35]. A
4 × SDS (sodium dodecyl sulfate) sample buffer (#161-0747, Bio-Rad laboratories, Portland,
OR, USA) was added to the protein sample. It was then heated to 100 ◦C for 5 min to
obtain a primary protein structure with a negative charge (i.e., a linear shape). Markers
were loaded on 12% acrylamide SDS-Poly Acrylamide Gel Electrophoresis (PAGE) gels.
Electrophoresis on SDS-PAGE gel was performed at 120 V for 2 h to separate the proteins
based on their mass. SDS-PAGE gels were stained with Coomassie Brilliant Blue R-250
solution (Sigma, St. Louis, MO, USA) for more than 24 h and then a destaining solution
(10% acetic acid and 45% methanol in 1 L distilled water (DW)) was applied for 1.5 h to
remove the background color to obtain protein bands. Protein bands exclusively present in
the akinete samples were selected for further analysis.

2.4. Sample Preparation for Mass Spectrometry

Akinete-specific protein bands were cut out from SDS-PAGE gel using a scalpel and
transferred to sterilized microtubes. Then, the peptide bonds between amino acids were
degraded using an in-gel digestion reaction (in-gel trypsin degradation) [36].

Excised gel spots were destained with 100 µL of destain solution (50% Acetonitrile
(ACN)/DW) with shaking for 5 min. After the removal of the solution, gel spots were
incubated with 200 mM ammonium bicarbonate (NH4HCO3) for 20 min. The gel pieces
were dehydrated with 100 µL of ACN and dried in a vacuum centrifuge (VS-30000i, GSI,
Republic of Korea). Into the dried gel piece, 50 µL dithiothreitol (10 mM) mixed with 0.1 M
ammonium bicarbonate was added and this was incubated at 56 ◦C for 30 min with shaking.
The sample was spun down and the supernatant was removed. Subsequently, 100 µL ACN
was added for gel shrinkage. Fifty microliters of iodoacetamide (C2H4INO) (55 mM) mixed
with 0.1 M ammonium bicarbonate was added and incubated at room temperature for
20 min in the dark. The supernatant was removed and 200 µL ACN was added. Again, it
was spun down to remove supernatant, and 200 µL ammonium bicarbonate (0.1 M) was
added. The procedure was repeated thrice on the dried gel piece. The dried gel pieces were
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rehydrated with 20 µL of 50 mM NH4HCO3 containing 0.2 g modified trypsin (Promega
Co., Madison, WS, USA) for 45 min on ice. After the removal of the solution, 30 µL of
50 mM NH4HCO3 was added. The digestion was performed overnight (6–8 h) at 37 ◦C. The
peptide solution was desalted using C18 column (Ziptip, Millipore Co., Burlington, MA,
USA). All processed protein samples were analyzed using MALDI-TOF (matrix-assisted
laser desorption ionization time of flight) [37] and a protein sequencer (ABI494, Thermo
Fisher Scientific, Waltham, MA, USA) (Table S1).

2.5. Analysis of Amino Acid Sequence

The sequenced amino acid was identified by protein BLAST analysis in the Genbank
database. The BLAST searching was performed based on the Protein Data Bank proteins
(PBD) in Genbank standard database, using the Protein–Protein BLAST (BLASTP) algo-
rithm. We excluded the uncultured/environmental sample sequence, that is, unidentified
sequence information, in the search process [38–40]. The hydrophobicity of the amino acid
sequence (Kyte–Doolittle hydrophathy) and the immunogenicity score (ig-score) were ana-
lyzed based on predicted amino acid secondary structure [41]. The structure was predicted
based on Chou–Fasman secondary structure model.

2.6. Statistical Analyses

In the akinete-specific protein amino acid sequence, the correlation between the ig-
score and Kyte–Doolittle hydropathy of each section was analyzed to determine the relation-
ship between protein hydrophobicity and antigen–antibody reaction potential. Pearson’s
correlation analysis was performed using SPSS version 18 (IBM, Armonk, NY, USA). Statis-
tical significance was set at p < 0.05.

3. Results and Discussion
3.1. Protein Profile of D. circinale

The masses of proteins extracted from akinete ranged from 17 to 180 kDa. Proteins
with masses in the range of 40–75 kDa were found in both the akinete and vegetative cells
and comprised the largest portions of proteins present (Figure 1). They are speculated to
comprise amino acids present in the plasma membranes, carboxysomes, polyphosphates,
and cyanophycin granules; these organelles are present both in akinetes and in vegetative
cells [42–44]. Small (30–48 kDa) and large proteins (180 kDa) were almost exclusively
present in the vegetative cells. Physiologically active enzymes that are formed by various
cellular organelles are normally present in active vegetative cells. These active enzymes
are known to be very small (<48 kDa) [45–47]. Contrastingly, a miniscule amount of
30 kDa protein was present in akinetes. The 110 kDa protein was solely present in the
akinetes (Figure 1). We did not identify whether this protein exclusively originated from
the akinete cell wall or within the cell. However, because only the position of the 110 kDa
protein showed no band in the extracts of vegetative cells, we considered it a candidate
akinete-specific protein [48].

The akinete-specific proteins appear to differ even among similar taxa. The mass of
the akinete-specific protein of D. circinale was 110 kDa, whereas that of the AvaK protein
found in Anabaena variabilis akinete was 43 kDa [48]. A kind of akinete-specific protein,
AcaK43, which is the AvaK homolog protein, was also found in A. cylindrica [49]. Therefore,
we suspect that D. circinale has an akinete-specific protein, which is different from the AvaK
protein in A. variabilis and the AcaK43 protein in A. cylindrica.

Consequently, the akinete-specific protein mass and peptide may affect the formation
of akinetes, resulting in morphological and functional differences in the akinetes of the
order Nostocales [50,51]. Morphologically, Nostocale taxa show different akinete shapes.
The akinete of D. circinale is longer and wider than that of A. variabilis by approximately
10 µm (5–10 µm in length and 10–15 µm in width), and the length is similar in A. cylindrica
akinete, but this is broader in width (length 15–20 µm and width 7–10 µm) (Figure S1). The
projections present at both sides of the akinete anodes were present solely in D. circinale,
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and not in A. variabilis or A. cylindrica [48,52]. Although photosynthesis is functionally
not activated in akinetes, A. cylindrica showed photosynthetic proteins in both akinete
and vegetative cells. However, in akinetes of A. variabilis, chlorophyll and phycocyanin
disappeared during akinete cell maturation [53].
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in KDa. The arrows and square box indicate potential akinete-specific proteins. (A) Total cell pro-
tein extracted from akinetes (lane 1, 2, 3). (B) Total cell protein extracted from vegetative cells (lane 
4, 5, 6). 

The akinete-specific proteins appear to differ even among similar taxa. The mass of 
the akinete-specific protein of D. circinale was 110 kDa, whereas that of the AvaK protein 
found in Anabaena variabilis akinete was 43 kDa [48]. A kind of akinete-specific protein, 
AcaK43, which is the AvaK homolog protein, was also found in A. cylindrica [49]. There-
fore, we suspect that D. circinale has an akinete-specific protein, which is different from 
the AvaK protein in A. variabilis and the AcaK43 protein in A. cylindrica. 

Consequently, the akinete-specific protein mass and peptide may affect the for-
mation of akinetes, resulting in morphological and functional differences in the akinetes 
of the order Nostocales [50,51]. Morphologically, Nostocale taxa show different akinete 
shapes. The akinete of D. circinale is longer and wider than that of A. variabilis by ap-
proximately 10 µm (5–10 µm in length and 10–15 µm in width), and the length is similar 
in A. cylindrica akinete, but this is broader in width (length 15–20 µm and width 7–10 µm) 
(Figure S1). The projections present at both sides of the akinete anodes were present 
solely in D. circinale, and not in A. variabilis or A. cylindrica [48,52]. Although photosyn-
thesis is functionally not activated in akinetes, A. cylindrica showed photosynthetic pro-
teins in both akinete and vegetative cells. However, in akinetes of A. variabilis, chlorophyll 
and phycocyanin disappeared during akinete cell maturation [53].  

3.2. Amino Acid Sequence of D. circinale Akinete-Specific Protein 
We identified a peptide consisting of 600 amino acid sequences using the peptide 

mass fingerprint by MALDI-TOF, with the 110 kDa protein solely present in the akinete 
of D. circinale, as inferred from from SDS-PAGE bands (Table 1). The Chou–Fasman sec-
ondary structure and Kyte–Doolittle hydropathy index were determined using the pep-
tide amino acid structure. Consequently, the ig-score, which indicates the anti-

Figure 1. Bands of Dolichospermum circinale akinete and vegetative cell proteins displayed on SDS-
PAGE gels (12%) stained using Coomassie Brilliant Blue R-250. The sample was loaded in triplicate.
Vertically arrayed numbers in both the first and the last lane are the masses of standards in KDa. The
arrows and square box indicate potential akinete-specific proteins. (A) Total cell protein extracted
from akinetes (lane 1, 2, 3). (B) Total cell protein extracted from vegetative cells (lane 4, 5, 6).

3.2. Amino Acid Sequence of D. circinale Akinete-Specific Protein

We identified a peptide consisting of 600 amino acid sequences using the peptide
mass fingerprint by MALDI-TOF, with the 110 kDa protein solely present in the akinete of
D. circinale, as inferred from from SDS-PAGE bands (Table 1). The Chou–Fasman secondary
structure and Kyte–Doolittle hydropathy index were determined using the peptide amino
acid structure. Consequently, the ig-score, which indicates the antibody-binding reaction
with the akinete-specific protein, was established (Figure 2, Table S3). The higher the
ig-score, the higher the probability of the antibody initiating an immune response with the
antigen [15]. The ig-score was higher in the No. 100–200 amino acid group and lower in
the No. 470–600 amino acid group (Figure 2). The average ig-score of the whole amino
acid sequence was 4.7745 (range: 2.3157–8.1835), whereas its average was 5.4254 between
105 aa and 210 aa. Specifically, the average score was the highest (avg. 6.4564) in the
110 aa–150 aa range. Moreover, the ig-score was high in the 273–345 aa (avg. 5.0602) and
405–475 aa ranges (avg. 5.0121). These results indicate that the amino acid sequence of the
105–349 aa range, particularly the 110–150 aa range, is better for detecting the akinete of
D. circinale. Contrastingly, the ig-scores of the 5–112 aa, 220–270 aa, and 479–600 aa ranges
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were lower than the average score. This suggests that the biosensing function (antibody) of
the 220–270 aa amino acid sequence range might be relatively low.

Table 1. Amino acid sequence of the D. circinale akinete-specific protein analyzed from the 110 kDa
sodium dodecyl sulfate poly acrylamide gel electrophoresis (SDS-PAGE) band.

No. Amino Acid Sequence No.

1 MKWVTFISLL LLFSSAYSRG VFRRDTHKSE
IAHRFKDLGE EHFKGLVLIA 50

51 FSQYLQQCPF DEHVKLVNEL TEFAKTCVAD
ESHAGCEKSL HTLFGDELCK 100

101 VASLRETYGD MADCCEKQEP ERNECFLSHK
DDSPDLPKLK PDPNTLCDEF 150

151 KADEKKFWGK YLYEIARRHP YFYAPELLYY
ANKYNGVFQE CCQAEDKGAC 200

201 LLPKIETMRE KVLASSARQR LRCASIQKFG
ERALKAWSVA RLSQKFPKAE 250

251 FVEVTKLVTD LTKVHKECCH GDLLECADDR
ADLAKYICDN QDTISSKLKE 300

301 CCDKPLLEKS HCIAEVEKDA IPENLPPLTA
DFAEDKDVCK NYQEAKDAFL 350

351 GSFLYEYSRR HPEYAVSVLL RLAKEYEATL
EECCAKDDPH ACYSTVFDKL 400

401 KHLVDEPQNL IKQNCDQFEK LGEYGFQNAL
IVRYTRKVPQ VSTPTLVEVS 450

451 RSLGKVGTRC CTKPESERMP CTEDYLSLIL
NRLCVLHEKT PVSEKVTKCC 500

501 TESLVNRRPC FSALTPDETY VPKAFDEKLF TFHADICTLP
DTEKQIKKQT 550

551 ALVELLKHKP KATEEQLKTV MENFVAFVDK
CCAADDKEAC FAVEGPKLVV 600

Note: A—alanine, G—glycine, I—isoleucine, L—leucine, P—proline, V—valine, F—phenylalanine,
W—tryptophan, Y—tyrosine, D—aspartic acid, E—glutamic acid, R—arginine, H—histidine, K—lysine, S—serine,
T—threonine, C—cysteine, M—methionine, N—asparagine, Q—glutamine.

The hydropathy index (Kyte–Doolittle index) of the amino acid sequence, indicating
the degree of hydrophobicity [41], shows a significant negative correlation with the ig-score
(r = −0.914, p < 0.01, n = 593) (Table S2). This result suggests that antibody binding occurs
more easily in the hydrophilic region outside the cell membrane than in the hydrophobic
region inside the cell membrane. Therefore, biosensing for akinete detection could be more
effective in the hydrophilic condition than in the hydrophobic condition.

While verifying the protein ID of the akinete-specific protein analyzed in this study,
we found that the NCBI BLASTP Database (GenBank CDS) did not contain data consistent
with the protein amino acid sequence of D. circinale akinete. However, when compared
to the akinete-specific protein of A. variabilis, which is the only one known thus far [48],
homology was very low (9.8%). Prior studies were conducted on the endospore of the
Bacillus species, such as Bacillus subtilis and Bacillus cereus [54–58]. The protein information
of these endogenous spores is composed of short fragments, smaller than 200 aa, and this
endospore protein has very low homology (<1%) with the akinete-specific protein found in
this study. Both the cyanobacterial akinete and bacterial endogenous spores are formed
to overcome harsh conditions and are functionally the same. However, recent proteomic
data indicate that, on the contrary to the results of conventional research, akinetes may also
play an active role during filamentous growth. Specifically, the akinete was reported to
play a role in the fixation of nitrogen and as a carbon storage transfer unit in filaments of
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A. cylindrica [49]. Qiu et al. (2020) demonstrated that fixed carbon entered into akinetes
from vegetative cells and was converted to glycogen by glycogen synthase, or into trehalose
for osmoprotectant during the survival stage [49]. Although both the cyanobacterial akinete
and bacterial endogenous spores are functionally the same, they exhibit different degrees
of high heat and dry resistance, and different structures at the anatomical level of the cell,
such as the cortex components surrounding the spores [58].
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3.3. Perspective on Developing the Akinete Screening Technique

The molecular-level approach has advanced harmful cyanobacterial detection in the
field by using specific genes related with harmful material production [20–22]. However,
molecular-level applications to identify akinetes exhibit some technical limitations because
the akinete cell is surrounded by protein capsule. For this reason, proteomics research could
help us to develop a method for the efficient screening of akinetes, such as an antibody
biosensor or akinete-specific staining. However, there are some challenging technical
hurdles from the practical perspective.

Firstly, it is difficult to verify actual akinete protein binding using the antibody based
on the amino acid sequence analyzed in this study, because the best method for making the
akinete-specific protein antibody is yet to be established [59]. Therefore, a further study to
make an antibody against the akinete protein for screening cyanobacterial akinetes using
the antigen–antibody reaction in field samples has high priority.

Secondly, it is necessary to develop a method for removing various non-specific
protein polymers or organic particles remaining in the sediment to increase the sensitivity
of the reaction with the akinete protein. In environmental proteins, which relate to similar
concepts to environmental DNA, bulk proteins could include many non-specific protein
polymers and organic particles [60]. They can disturb the activation of akinete-specific
antibodies. For this reason, we must focus on establishing a sample purifying method for
precise activation of akinete-specific antibodies.
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Thirdly, due to the currently very limited information on the akinete protein and
peptide, it is necessary to store akinete-specific protein peptide information from the Nos-
tocales taxa [61,62]. Most cyanobacterial proteomics research has been focused on protein
interaction networks that govern the lifecycle of cyanobacteria, such as post-translational
mechanisms [63,64]. However, since 2002, there has been limited research on akinete-
specific proteins. Further studies should include work on akinete peptides using various
species from the order of Nostocales to expand our understanding of the species-specific
akinete proteins and their role in physiology, and expedite the progress of cyanobacterial
proteomics research.

4. Conclusions

D. circinale is the harmful cyanobacterium commonly found in eutrophic freshwater
ecosystems. It forms akinetes as a survival structure. In this study, we analyzed the D.
circinale akinete-specific protein and its amino acid sequence. To the best of our knowledge,
the akinete-specific amino acid sequence of the order Nostocales determined in this study
is only the third report on this topic, after those on A. variabilis and A. cylindrica. Although
these species have very close phylogenic relationships, their akinete proteins differ in
mass and have very low homology, suggesting that the akinete proteins are taxon-specific.
Further studies are necessary to accumulate information on akinete proteins and their amino
acid sequences among akinete-forming cyanobacteria, in order to establish a biosensing
method based on antigen–antibody reactions. However, several technical hurdles need
to be overcome related to the protein-level screening of akinetes for application in the
field. Therefore, future research on akinetes in cyanobacteria must go beyond simple
physiological studies and involve in-depth investigations at the metaomics level, which
address the technical limitations at the protein level.
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Abstract: Understanding the relation between watershed land use and stream conditions is critical for
watershed planning and management. This study investigated the effects of land use on stream water
quality and biological conditions in sub-watersheds and micro-watersheds across the Han River
watershed in South Korea. We developed random forest models for each water quality and biological
indicator using the proportions of urban, agricultural, and forested areas. Our results indicate that
water quality and biological indicators were significantly affected by forest area at both scales, and the
sub-watershed models performed better than the micro-watershed models. Accumulated local effects
were used to interpret the effect of each explanatory variable on the response variable. The plots for
water quality and biological indicators with proportions of watershed land use demonstrated similar
patterns at both scales, although the relation between land use and stream conditions was slightly
more sensitive in micro-watersheds than in sub-watersheds. Urban and agricultural areas showed a
lower proportion of water quality and biological condition variability in the micro-watersheds than
in the sub-watersheds, while forests showed the opposite results. The findings of this study suggest
that different spatial scales should be considered when developing effective watershed management
strategies to maintain stream ecosystems.

Keywords: land use/cover; water quality; biological indicator; watershed scale; stream condition

1. Introduction

River and stream ecosystems are under pressure from various anthropogenic activities
over multiple spatial scales [1]. In particular, anthropogenic land-use changes in water-
sheds are major factors hindering the integrity of river and stream ecosystems, including
water quality and aquatic organism health. The negative effects and complex processes
associated with urban and agricultural areas in watersheds cause changes to river and
stream ecosystems at various spatial scales. To respond to these negative changes in stream
ecosystems, it is necessary to understand the impact of various land uses in watersheds on
stream ecosystems. Therefore, the impacts of land use in watersheds on water quality and
aquatic organisms have been studied extensively.

In general, urban areas are the source of many anthropogenic pollutants that nega-
tively affect streams [2,3]. Chemical pollutants, such as excess nutrients, heavy metals, and
organic compounds, flow into stream ecosystems from urban areas due to increases in im-
permeable surfaces, such as pavements and rooftops [4,5]. Runoff with high concentrations
of pollutants from industrial facilities or sewage treatment plants also acts as a stressor for
aquatic organisms. The influx of these artificial pollutants destabilizes the physical and
chemical runoff processes and disrupts the stream ecosystem [6–8]. For example, although
nutrients can benefit aquatic organisms, heavy metals can have negative effects, and the
combined effects of these stressors can disrupt ecosystem mechanisms [9]. Agricultural
areas are known to promote eutrophication and harmful algal blooms in streams owing to
excessive fertilizer runoff, sediment influx, and agricultural landscapes [10,11]. Conversely,
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forest areas and riparian vegetation in the watershed improve the stability of stream chan-
nels, regulate water temperature by preventing light from penetrating the canopy, and
provide habitat and shelter for aquatic organisms. They also reduce nutrient runoff from
the watershed, thereby mitigating erosion and eutrophication and improving biodiversity
and ecosystem function by improving riparian vegetation ecosystem conditions and habitat
quality [12,13].

The relationship between land use and river ecosystems is also related to the watershed
size. Several studies have reported that the impact of land use on stream water quality and
aquatic organisms varies across different spatial scales [14–17]. For example, the parameters
on the riparian or reach scale may predict impacts on water quality and aquatic organisms
better than those on the catchment scale. Dala-Corte et al. [18] and Pan et al. [19] reported
that the land use adjacent to streams had a more important effect on chemical water quality
and biotic communities compared to that observed from land use on the catchment scale
across grasslands in southern Brazil and the Willamette Valley Ecoregion in Oregon, USA.
Assessing land-use impacts on streams within these watersheds can allow us to more
accurately estimate causal pathways in smaller watersheds, which are potentially vital for
biodiversity and stream health [20]. However, studies have reported that watershed-scale
land-use parameters better account for biotic diversity and water quality, including aquatic
community patterns and species composition [7,17]. Tudesque et al. [21] explained that
in the Adour–Garonne River in southwest France, the watershed scale is an important
determinant of biological community structure. Ding et al. [14] and Zhang et al. [22]
reported that the impact of land use on water quality in the Dongjiang River Basin and
Three Gorges Reservoir area in China is better explained on the catchment scale than on
the riparian, reach, or buffer scales. In addition, large-scale watersheds are more spatially
dependent on land use due to the direct impact of the physical and chemical water quality
and the cumulative anthropogenic influence on stream ecosystems related to water quality
and aquatic organisms [15,21,23].

Recently, ecosystem research has used machine learning models to replace traditional
statistical models that were previously built as description-driven limited models [24].
Machine learning, a branch of artificial intelligence, effectively overcomes the limitations
of data-dependent bivariate and multivariate statistical methods, enabling prediction-
driven models to estimate highly predictive models [8,25]. Unlike the general linear model,
which traditionally predicts variables, tree-based random forest (RF) models make no
assumptions about data distribution. They also integrate missing values with numeric or
categorical predictors, tolerate general changes, such as the size of the data, remain resilient
to predictor outliers [26], and perform well against complex and nonlinear interactions
between variables [26]. The biggest advantage is that the prediction accuracy generally
surpasses that of conventional methods. Another advantage of these RF models is the
possibility of revealing complex nonlinear relations between land cover characteristics and
stream water quality. Park et al. [8] found that these models accurately depict the complex
nonlinear relation between landscape characteristics and stream water quality. Further
benefits include the accuracy of machine learning models tested on new datasets and their
application in predicting characteristics of aquatic ecosystems, such as the stream water
quality. Moreover, such models can support future land-use planning scenarios to aid in
policy decisions. Previous studies effectively employed the RF model to analyze the impact
of land use on water quality and biological integrity. The relationships among stream
water quality, aquatic organisms, and land use often exhibit disproportionate and nonlinear
patterns, indicating abrupt points of change (thresholds). For example, significant changes
in fish community composition and species abundance of 10.9% and 17.5%, respectively,
were observed in a southeastern Queensland watershed [27]. These studies identified the
point at which changes occur in the impact of land use, revealing an abrupt nonlinear
ecological threshold [27–29]. Thresholds are needed to protect or restore water quality
and aquatic organisms amid continuous land-use changes [21,29,30]. When ecological
thresholds are surpassed, such as by pollutants flowing into streams, stream ecosystems
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can be damaged. Identifying these thresholds can help determine the impact of land use
on streams and facilitate land-use planning [27].

This study aimed to quantify the relative importance and effects of the spatial scale
of land use on the water quality and health of aquatic organisms in the Han River Basin.
RF models were developed to evaluate the relations between land use and water quality
and biological indicators. Most related studies have focused on forecasting changes and
determining explanatory power according to spatial scale to identify the relation between
land use and stream water quality and biological indicators [11,30]. In particular, the
accumulated local effect (ALE) is used to compensate for the shortcomings of existing
partial dependency plots (PDPs) and to display the results of the RF model more clearly.
This can be a powerful tool for demonstrating the relation between highly correlated
water quality and biological indicators. Our study advances the existing approach by
analyzing differences in the impact of land use on water quality and aquatic organisms
at multiple spatial scales and by comparing and analyzing the thresholds of land use
according to different watershed scales. The results of this study can reduce uncertainty
and provide insights for effective decision making in developing contaminated watershed
management strategies and restoration plans. Different spatial scales should be considered
when developing effective watershed management strategies to sustain stream ecosystems.
This work is expected to help establish criteria for estimating land-use proportions to meet
the health goals for stream ecosystems in watershed management.

2. Materials and Methods
2.1. Study Area

The Han River, located at 126◦–129◦ E and 36◦–38◦ N, originates from Taebaek Moun-
tain and flows into the Yellow Sea. It is the second largest river in Korea, spanning a length
of 494 km, and has a basin area of approximately 35,770 km2. Spring (March–May) and
autumn (October–November) are generally sunny and dry owing to the influence of mobile
cyclones. Summer (June–September) accounts for two thirds of the total annual precip-
itation, with high temperatures due to the influence of the North Pacific high pressure.
Winter (December–February) is cold and dry owing to the influence of temperate cyclones.
Overall, the Han River basin comprises highlands over 1000 m above sea level on the east
and lowlands on the west [31], with an average annual precipitation of 1208.3 mm. The
main type of land cover comprises forests, occupying approximately 68% of the land, while
urban and arable land account for approximately 17% and 7%, respectively. In this study,
the Han River basin was divided into large- and small-scale watersheds (Figure 1). The
large-scale watershed unit (3rd–4th-order streams) was determined by the Ministry of
Environment for water management, encompassing an area ranging from 38.96 km2 to
447.87 km2. The small-scale watershed unit (1st–2nd order streams) was defined by local
governments based on stream management goals and ranges from 0.11 km2 to 12.97 km2.

2.2. Data Source and Preprocessing
2.2.1. Water Quality and Biological Indicators

In Korea, the National Aquatic Ecology Monitoring Program (NAEMP) has developed
evaluation standards and sampling protocols for monitoring rivers and streams. This pro-
gram evaluates the overall ecological health status of streams, including the chemical water
quality, biological condition, habitat quality, riparian vegetation, and land use around the
stream [32]. For stream evaluation, the NAEMP investigates the ecological health and water
quality of the five major streams and tributaries in Korea twice a year (spring: April–May;
autumn: October–November) using aquatic organisms. The ecological health of streams
was evaluated using the Trophic Diatom Index (TDI), Benthic Macroinvertebrate Index
(BMI), and Fish Assessment Index (FAI) based on biomonitoring at 3035 sites nationwide.
In addition, the Riparian Vegetation Index and Habitat and Riparian Index were included
to evaluate the riparian vegetation and habitat. Table 1 shows the equations used to es-
timate the biological indicators used in the NAEMP. The NAEMP also measures various
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water quality parameters at the biomonitoring sites. Biochemical oxygen demand (BOD5),
ammonia/ammonium (NH3-N), nitrate (NO3-N), total nitrogen (TN), total phosphorus
(TP), phosphate (PO4-P), and chlorophyll-a (Chl-a) were measured. Water quality was
analyzed using an official test method conducted by the Korean Ministry of Environment.
In this study, the biological indicators TDI, BMI, and FAI were used.
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In this study, biological indicators and water quality were measured in the same man-
ner across both watershed scales. The data used were obtained from basic environmental
survey projects conducted by the Han River Watershed Environmental Management Office
between 2018 and 2022 to diagnose the health status of streams. Table 1 shows the equations
used to calculate the values for biological indicators.
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Table 1. Equations for biological indicators used in the National Aquatic Ecology Monitoring
Program.

Biological Indicators Equations

TDI
(Trophic Diatom Index)

TDI = 100− {(WMS× 25)− 25}
WMS: weighted mean sensitivity

WMS = ∑ Aj·Sj·Vj/ ∑ Aj·Vj
Aj: proportion (relative abundance) of species in sample, %

Sj: pollution sensitivity of species, 1 ≤ S ≤ 5
Vj: indicator value of species, 1 ≤ V ≤ 3

BMI
(Benthic Macroinvertebrate Index)

BMI =
(

4− ∑n
i=1 si · hi · gi

∑n
i=1 hi · gi

)
× 25

i: number assigned to the species
n: number of species

si: unit saprobic value of the species i
hi: frequency of the species i

gi: indicator weight value of the species i

FAI
(Fish Assessment Index)

FAI = sum of 8 metrics
Metric 1 (M1): number of Korean native species
Metric 2 (M2): number of rifle benthic species

Metric 3 (M3): number of sensitive species
Metric 4 (M4): percentage of tolerant species

Metric 5 (M5): percentage of omnivores
Metric 6 (M6): percentage of insectivores
Metric 7 (M7): amount of native species

Metric 8 (M8): percentage of fish abnormalities

2.2.2. Land Use/Land Cover

The land-use proportion of the stream watershed was determined using a land cover
map provided by the Environmental Geographic Information Service. This land cover map
had a spatial resolution of 5 m, and a 1:25,000 topographic map was used for the analysis in
ArcGIS 10.6.1. The same land cover maps were applied to both the large- and small-scale
watersheds. These maps were used to estimate the effects of land use on water quality and
biological indicators by extracting urban, agricultural, and forest areas, which are the major
land uses in the watershed, from the seven classified categories. Urban areas included
residential, industrial, commercial, cultural, sports, leisure, transportation, and public
facilities. Agricultural areas included cultivation facilities, orchards, and other croplands,
while forested areas included broadleaf trees, conifers, and mixed forests. The impact of
land use was assumed to remain constant throughout the study period.

2.3. Statistical Analysis
2.3.1. Independent Two-Sample T-Test and Pearson’s Correlation

In this study, three analytical methods were used to estimate the impact on stream
ecosystems on the watershed scale. Initially, an independent two-sample t-test was per-
formed to verify the statistical differences between large- and small-scale watersheds.
Actual differences in the mean values for water quality (BOD, TN, and TP), biological
indicators (TDI, BMI, and FAI), and proportion of land use (urban, agricultural, and forest
areas) across scales were identified. Furthermore, a correlation analysis was performed
before applying the RF model to determine the impact of land use on water quality and
biological indicators in both watersheds. In particular, PDPs, which are often used in RF
model analysis, were affected by correlations between factors. If the correlation between
variables is strong, then a bias may occur in the interpretation of the PDP [33]. Therefore, a
correlation analysis was performed before visualizing the relations between the variables
based on the RF model. Correlations were calculated for each water quality variable,
biological indicator, and land-use proportion based on Pearson correlation analysis. The
correlation coefficient ranges from−1 to +1. A value of 0 indicates that there is no statistical
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association between the variables, a value closer to +1 indicates a strong positive association,
and a value closer to −1 indicates a strong negative association [34]. The parameters used
in this study exhibited a normal distribution, except for the urban proportion. However,
since this study investigates threshold values of water quality and biological indicators
according to the actual urban proportion, this proportion was used without conversion.

2.3.2. RF Regression Algorithm

The RF regression algorithm was used to predict and evaluate the relation between pre-
dictor variables (land-use proportion) and response variables (water quality and biological
indicators) using non-parametric ensemble machine learning. The goal of RF regression is
to create a real tree-like ensemble from which multiple regression trees are built to produce
a regression [35–37].

The RF model derives the final prediction result using the average of the prediction
results from each tree model through multiple decision trees. In the model training pro-
cess, which is based on bagging (bootstrap aggregation), several decision tree models are
gathered to form a forest, and the model is trained [35,36]. Bagging applies bootstrapping
to extract the training dataset by allowing duplication in the entire dataset so that each
tree model uses a different training dataset. It is a prediction method that summarizes the
results of each model by making the size as large as the number of original data [37]. A
prerequisite for improving the ensemble model’s performance is to secure diversity through
bagging and assuring randomness by dividing it into random subspaces. It considers only
these variables by randomly selecting fewer variables than the number of original variables.
Random predictor selection reduces the correlation between trees and variance and, in par-
ticular, depends only on the number of predictors selected by the model user [38,39]. The
RF model considers the mean and variance of the out-of-bag error difference between the
out-of-bag error of the original dataset and a random mixture of the values of a particular
variable. This identifies the importance and choice of variables to be used in the model.
The variable importance in RF determines the extent to which each variable contributes to
the accuracy and node impurity improvement. In this study, when the accuracy of the tree
constructed via changing the order of specific variables was reconstructed, it was assessed
as the mean squared error, which is the average of the differences in the reduced accuracy.
To optimize the RF model, the numbers of regression trees and input variables per node
were adjusted [39,40]. The number of regression trees was 200, and 1/3 of the total number
of variables were optimized via setting them as random sampling variables. In this study,
the data were analyzed via division into training and test data—70% and 30%, respectively.
The model was trained on the training data and then the root-mean-square error and the
mean absolute error were used to assess the accuracy of the model performance.

RFs do not yield single trees that can be graphed; however, the results can be expressed
as PDPs or ALEs [29]. PDPs are commonly used to visualize the effects of predictors in
black-box supervised learning models. This parameter shows the marginal effect on the
prediction result of the machine learning model, and the relationship between the target
and a feature can be determined via plotting this effect. In addition, it can be used to
graphically characterize the relation between the probability of existence of one predictor
after averaging the effects of other predictors in the model [41]. Therefore, the PDP
provides a graphical depiction of the marginal effect of a variable on the regression [42].
Moreover, PDPs show the average effect of the features on the predictions and can be
clearly interpreted if there is no correlation. They are also easy to implement in a plot
and can analyze the relationships between features and predictors [33,43]. Thus, many
studies using RF models have employed PDPs [8,44,45]. However, the most vulnerable
PDP assumes that there is no correlation between a feature and other features. If there
is a correlation among the features, then new data will be generated in the distribution
regions where the actual probability is low, and the result will differ from the real values.
Therefore, the ALEs can be selected as an unbiased choice for the PDP when the features are
correlated. In addition, the ALEs visualize the main effects of individual predictors in the
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black-box supervised learning model and explain how each characteristic value averages
and affects the prediction of the model [46]. Moreover, they operate conditionally instead
of constraining the distribution, thereby solving the problem of independence. Because
a correlation was observed among water quality, organisms, and land use in this study
(Table 2), the ALE was used [43,46]. The RF regression model and ALEs were constructed
using the RF ALE Plot packages in R Studio [46,47].

Table 2. Descriptive statistics of the water quality parameters, biological indicators, and land-use
proportion of small watersheds in the Han River basin.

Variables Min. Max. Mean S.D.

TDI (0–100) 13.8 87.2 59.9 17.2
BMI (0–100) 23.7 94.0 65.3 17.9
FAI (0–100) 6.3 100 56.3 17.8

BOD (mg/L) 0.6 7.8 2.2 1.1
TN (mg/L) 0.97 10.28 3.37 1.42
TP (mg/L) 0.006 0.390 0.085 0.074
Urban (%) 0.0 68.6 10.4 11.0

Agricultural (%) 0.2 86.1 28.5 18.0
Forest (%) 0.0 96.7 54.3 22.0

Notes: n = 157. S.D., standard deviation; Min., minimum; Max., maximum; BOD, biochemical oxygen demand;
TN, total nitrogen; TP, total phosphorus; TDI, Trophic Diatom Index; BMI, Benthic Macroinvertebrate Index; FAI,
Fish Assessment Index.

3. Results
3.1. Descriptive Statistics and Independent Sample T-Test Analysis

Tables 2 and 3 describe the water quality variables, biological indicators, and land-use
proportions used in this study. The average BOD, TN, and TP concentrations were lower in
the large watersheds compared to those in the small watersheds. However, the maximum
BOD and TN concentrations were higher in the small watersheds compared to those in
the large watersheds. In both large and small watersheds, urban areas had a relatively
low average proportion compared to that in farmland and forests, with forests showing
a relatively high proportion. As for biological indicators, the TDI, BMI, and FAI values
were better in large watersheds compared to those in small watersheds. According to the
Ministry of Environment’s aquatic ecosystem health evaluation, the average TDI, BMI, and
FAI had grades of C, B, and B for large watersheds, respectively, and C, B, and C for small
watersheds, respectively.

Table 3. Descriptive statistics of water quality parameters, biological indicators, and land-use
proportion for large watersheds in the Han River basin.

Variables Min. Max. Mean S.D.

TDI (0–100) 11.4 98.7 65.1 18.0
BMI (0–100) 27.0 94.6 72.2 16.8
FAI (0–100) 3.2 100 66.8 21.1

BOD (mg/L) 0.5 5.9 1.6 0.8
TN (mg/L) 1.04 8.16 2.88 1.20
TP (mg/L) 0.007 0.368 0.051 0.049
Urban (%) 0.0 77.8 7.7 14.5

Agricultural (%) 0.0 100 17.0 13.8
Forest (%) 0.0 100 69.3 21.6

Notes: n = 177. S.D., standard deviation; Min., minimum; Max., maximum; BOD, biochemical oxygen demand;
TN, total nitrogen; TP, total phosphorus; TDI, Trophic Diatom Index; BMI, Benthic Macroin-vertebrate Index; FAI,
Fish Assessment Index.

Regarding aquatic ecosystem health, grades A and B suggest the presence of relatively
abundant trophic diatoms sensitive to nutrients, many benthic macroinvertebrate species
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vulnerable to organic pollution, and a higher abundance of fish species sensitive to environ-
mental changes. Grades D and E indicate the opposite, with the Ministry of Environment
classifying streams with these grades as impaired. Grade C signifies a normal stream that
is neither healthy nor damaged.

The independent sample t-test results for the differences in water quality, biologi-
cal indicators, and land-use proportion according to the watershed scale are shown in
Table 4. Water quality (BOD, TN, TP), biological indicators (TDI, BMI, FAI), and land
use (agricultural, forest) presented statistically significant differences according to the
watershed scale.

Table 4. T-test for water quality, biological indicators, and land-use proportion between large and
small watersheds.

Variables
Levene

t-Value p-Value
F Sig.

TDI (0–100) 0.001 0.981 2.669 0.008
BMI (0–100) 2.106 0.148 3.626 0.000
FAI (0–100) 9.441 0.002 4.931 0.000

BOD (mg/L) 14.043 0.000 −5.327 0.000
TN (mg/L) 1.10 0.29 −3.41 0.00
TP (mg/L) 24.057 0.000 −4.819 0.000
Urban (%) 1.237 0.267 −1.874 0.062

Agricultural (%) 20.991 0.000 −6.455 0.000
Forest (%) 0.126 0.723 6.257 0.000

Notes: BOD, biochemical oxygen demand; TN, total nitrogen; TP, total phosphorus; TDI, Trophic Diatom Index;
BMI, Benthic Macroinvertebrate Index; FAI, Fish Assessment Index.

3.2. Correlation Analysis

Water quality and biological indicators were correlated with land-use properties in
multiple watersheds (Figure 2). In the large- and small-scale watersheds, the relations be-
tween all variables were found to be significant. Correlations between land-use proportion,
water quality, and biological indicators in the large-scale watersheds were greater than
those in the small-scale watersheds. In urban and agricultural areas, a positive correlation
was observed with the water quality parameters BOD, TN, and TP, while a negative cor-
relation was observed with the biological indicators TDI, BMI, and FAI. In particular, in
the large- and small-scale watersheds, forest areas showed a stronger correlation between
water quality and biological indicators than that for other land uses/land covers.

3.3. RF Models for Water Quality and Biological Indicators in Large- and Small-Scale Watersheds

RF models were created for each watershed scale for the water quality and biological
indicators, and the performance of each model was compared (Table 5). Overall, better root-
mean-square error and mean absolute error values were observed for the large watersheds,
and better TN values were only observed in small watersheds.

Table 5. Water quality and biological indicator prediction performance of random forest models.

Scale Evaluate BOD TN TP TDI BMI FAI

Large-scale RMSE 0.40 0.80 0.024 12.71 9.52 11.26
MAE 0.30 0.59 0.017 9.90 7.00 7.91

Small-scale
RMSE 0.69 0.63 0.044 15.45 12.29 16.06
MAE 0.55 0.53 0.032 12.31 9.75 12.81

Notes: RMSE, root-mean-square Error; MAE, mean absolute error, BOD, biochemical oxygen demand; TN, total
nitrogen; TP, total phosphorous; TDI, Trophic Diatom Index; BMI, Benthic Macroinvertebrate Index; FAI, Fish
Assessment Index.
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Figure 2. Relationships among biological indicators, water quality parameters, and land use in
the large-scale watersheds (n = 177) (left figure) and small-scale watersheds (n = 157) (right figure)
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3.4. Analysis of the ALE Plots

The ALE plot shows the effect of the land-use proportion on the water quality pre-
diction probability (Figure 3). In large-scale watersheds, the water quality concentration
increased sharply when the urban proportion was approximately 10% or higher. In agricul-
tural areas, the BOD and TN concentrations were likely to increase when the agricultural
proportion was approximately 5–10% or higher. However, the TP concentration was likely
to increase when the agricultural proportion was approximately 25% or higher. In small-
scale watersheds, the water quality concentration increased when the urban proportion
was in the range of 5–10% or higher, and the agricultural proportion was in the range of
20–30% or higher (Figure 4). This means that the threshold proportion for water quality
may vary depending on the watershed scale. The likelihood of water quality deterioration
gradually decreased as the proportion of forests increased on both scales.

Figures 5 and 6 illustrate the impact of the land-use proportion on the predicted
probabilities of TDI, BMI, and FAI. In large-scale watersheds, all indicator values decreased
when the urban proportion was approximately 5% or higher. In agricultural areas, the TDI
decreased by more than 25% and the BMI and FAI populations decreased by approximately
5%. In small-scale watersheds, the TDI was likely to decrease when the urban proportion
was greater than 3%, and BMI and FAI were more likely to increase when the proportion was
greater than 10%. In agricultural areas, the TDI increased nonlinearly up to approximately
30% and then decreased. The BMI decreased when the agricultural proportion was over
10%, and the FAI increased and decreased nonlinearly until the agricultural proportion
reached approximately 30% and then decreased. In large-scale watersheds, the forest
proportion gradually increased over the 25–35% range, and in small-scale watersheds, the
forest proportion increased over 40–50%.
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4. Discussion
4.1. Land-Use Thresholds for Water Quality and Biological Indicators

The stream water quality and biological indicators responded nonlinearly as the
proportion of land use increased, indicating critical values. Identifying the critical points
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at which water quality and biological indicators respond to changes in the proportion of
land use in a watershed is important for land-use planning. Therefore, many studies have
identified associated ecological thresholds [48,49].

This study visualized the nonlinear relationship of land-use proportions with water
quality and biological indicators using ALE main effect plots (Figures 3–6). The ALE main
effect plot showed that urban and agricultural areas have a negative effect on water quality
and biological indicators on both watershed scales, while forest areas have a positive effect
on water quality and biological indicators. In addition, the plot showed that the critical
point of the impact of land-use proportion on water quality and biological indicators was
different for different watershed scales.

This study confirmed that the range of urban proportions over which BOD, TN, and
TP concentrations began to increase varied depending on the watershed scale. In large
watersheds, the water quality concentration increased in 35–45% of urban areas, and in
small watersheds, the water quality concentration increased in 5–10% of urban areas [1].
This is similar to previous studies in which water quality concentrations increased when the
urban fraction was 10–50%. Additionally, in this study, the BOD, TN, and TP concentrations
were highest when the urban proportion was 35–45% and 5–10% in the large and small
watersheds, respectively. Tromboni and Dodds [50] showed that in Brazil, maximum
nutrient concentrations are reached at 10–46% urban area, and water quality concentrations
may further increase as urbanization accelerates. In the case of biological indicators in
urban areas, a decrease in biological indicator values was observed when the urban area
proportion was over 5% and 3% in large and small watersheds, respectively, with a rapid
decrease observed for large watersheds. This result is similar to that of previous studies.
For example, studies have reported a sharp decrease in benthic macroinvertebrate total
taxa richness, Ephemeroptera, Plecoptera, and Trichoptera taxa richness, and the Shannon–
Wiener diversity index in approximately 3–15% of the urban areas of relatively small
watersheds (1–70 km2) [51]. Additionally, in Korea’s riparian area, the fish community
composition is low when the urban proportion is 2–19% [27]. This suggests that to preserve
the biological status and minimize the impact on the development of large and small
watershed urban areas, the proportion of development sites should be calculated according
to the watershed scale.

In agricultural areas of large-scale watersheds, the values of water quality and bi-
ological indicators decreased at approximately 5–25% of the percentage of agricultural
land use. Generally, the anthropogenic input of pollutants from agricultural areas is a
major cause of increased nitrogen and phosphorus concentrations in streams [52]. For
example, non-point pollutants entering streams from agricultural areas include fertilizers,
sediments, nitrogen-fixing crops, and animal waste [53,54]. However, the threshold was
found to be low compared to that in other studies. For example, Roth et al. [17] observed
no change in the fish community in Wisconsin, USA, until the cropland proportion of
the watershed reached 50%; Grimstead et al. [55] found that the abundance of benthic
macroinvertebrate communities decreases when croplands exceed approximately 70% of
the catchment area; and D’Amario et al. [56] found that the concentrations of nitrogen and
phosphorus also increased with an increase in the agricultural area of the watershed and
found that the excess concentration occurred at approximately 34–43%. An increase in agri-
cultural areas leads to an increase in stream nutrients, which also affects algae and benthic
macroinvertebrates [56]. However, previous studies [17,55] were conducted in intensive
agricultural areas in large-scale watersheds. Intensive agricultural areas generally have
negative impacts on water quality and aquatic organisms. However, riparian vegetation in
these regions can effectively buffer the negative impacts of agricultural activities. Although
this study did not consider the impact of riparian vegetation on stream water quality and
aquatic organisms, it shows that large-scale watersheds have different impacts on streams
than small-scale watersheds, even with a small percentage of disturbed land use/land cover
within the watersheds. These characteristics may be related to the land-use/land-cover
composition and structure of the watersheds, including riparian vegetation [57]. High
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landscape diversity in agricultural areas and forests in riparian areas can improve water
quality by reducing nutrient and organic material losses [58–61]. It has been reported that
agricultural areas in small watersheds have a negative impact on stream water quality by
increasing land-use diversity and fragmenting the natural environment [17]. Land-use
proportions alone cannot capture the diverse and complex responses of watersheds to
spatial patterns and scales [62]. Contaminant sources in agricultural areas can be negative
for aquatic organisms, but the threshold value can change due to the influence of several
other factors, such as nutrients flowing into streams; habitats, including sediment delivery
systems; and government policies [63].

In the case of forests, water quality and biological indicators increased as the forest
proportion increased. These results are consistent with those of previous studies showing
that forested areas play an important role in maintaining stream biological integrity and
water quality [64]. Brogna et al. [65] found that watershed forests were highly positively
correlated with stream and biological water quality. Forests have various benefits for
streams, including acting as filters to remove pollutants carried by surface runoff and
reducing nutrient concentrations. In this study, the ALEs showed a decrease in water
quality concentration in approximately 20–25% of the large- and small-scale watersheds,
and an increase in biological indicators in 40–60% of the watersheds. Clément et al. [29]
found that having at least 50% forested areas could promote good water quality in Canadian
rivers. A previous study suggested an environmental conservation goal of approximately
60% forest cover [8]. In conclusion, securing a forest cover proportion of 25–60% is the
minimum requirement for maintaining stream water quality and biological integrity.

4.2. Watershed Scale

The association between land use and water quality and biological indicators assessed
using the RF model showed that land use had a significant impact on water quality and bi-
ological indicators. In the RF model, large-scale watersheds showed better predictions than
small-scale watersheds. This is consistent with other studies showing that the cumulative
effect of land use throughout the watershed influences stream water quality and biological
conditions [1,66]. In general, catchment scale is reported to have an indirect effect on
aquatic organisms by integrating all environmental factors that appear in small watersheds,
such as the riparian and reach scales [67,68]. These results may be due to the contribution
of all land use in the watershed to the stream ecosystem due to geographical factors, such
as the slope and elevation of the watershed, gravity, and various patterns of land use [66].
However, studies have also reported a stronger relation between water quality and biologi-
cal indicators on smaller scales [69]. Larger watersheds are difficult to estimate because
the paths of pollutants moving into streams are more complex and diverse than those in
smaller watersheds [14,15,70]. Such differences in the scale of the study results may be due
to the effects of water quality parameters and spatial resolution differences in the research
design [3,7,71,72]. It is clear that the structure and function of stream ecosystems, including
stream water quality and aquatic organisms, depend on the spatial scale [73,74]. This
is an important criterion in watershed management and restoration. Current watershed
management aims to synthesize the characteristics of watersheds and manage individual
streams. However, goals or management strategies based on the watershed may ignore the
watershed characteristics of individual streams. This implies that a watershed plan must be
set differently for each scale. Land use at various spatial scales affects stream ecosystems
through a series of processes. Therefore, understanding the relationship between land use,
stream water quality, and aquatic organisms within a watershed is an important part of
watershed planning, management, and restoration [24,63]. Understanding the impact of
land use on the water quality and biological properties of streams and effectively managing
watersheds require insight into their spatial scales. To understand the impact of land use
on stream water quality and aquatic organisms and to manage watersheds effectively, it is
necessary to consider the spatial scale.
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5. Conclusions

This study found that the relation between land use and water quality and biological
indicators in the Han River Basin is nonlinear and that critical points appear differently
depending on the scale. The results showed similar patterns of relationships between land
use and water quality and biological indicators in both the large and small watersheds. As
shown in the correlation analysis results, urban areas and agricultural areas had a negative
impact on water quality and biological indicators, while forests had a positive impact.
The ALE plot results showed that water quality and biological indicators fluctuated in
urban areas at lower land-use ratios compared to those of agricultural areas. Both water
quality and biological indicators showed more sensitivity to the land-use ratio in small
watersheds than in large watersheds. In forested areas, the water quality and biological
indicators fluctuated within a certain land-use ratio range, regardless of the watershed scale.
In particular, in large watersheds, when the forest proportion was over approximately
25%, the biological indicators increased rapidly. Water quality showed a decreasing trend
as the forest rate increased, and when the forest rate was over 25%, it decreased sharply.
Therefore, we conclude that achieving at least 25% forest area is necessary to maintain water
quality and biological health. The results of this study suggest that to develop effective
watershed management strategies to maintain stream ecosystems, various spatial scales
must be considered, and a minimum forest area of 25% or higher must be maintained.
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Abstract: Reservoirs are human-made ecosystems with diverse purposes that benefit humans both
directly and indirectly. They however cause changes in geomorphological processes such as sediment
cycling and influence the composition and structure of aquatic biota. This study aimed to identify
water and sediment quality parameters as drivers of macroinvertebrates and fish communities during
the cool-dry and hot-wet seasons in the littoral zones of three subtropical reservoirs (Albasini, Thathe
and Nandoni). Macroinvertebrates and fish were collected from three sites (n = 3 from each site)
in each reservoir. A total of 501 and 359 macroinvertebrates and fish individuals were collected
throughout the sampling period, respectively. The present study employed a two-way ANOVA in
conjunction with redundancy analysis (RDA) to assess the relationships that exist between water and
sediment variables, macroinvertebrates diversity and species abundances across seasons. Based on
the two-way ANOVA model, significant differences were observed across reservoirs for evenness,
Simpson’s diversity, and total abundance, while seasonal differences were observed for most metrics,
with exception for evenness. The RDA results identified four water variables (i.e., water temperature,
oxidation–reduction potential, pH and conductivity) and one sediment metal (Mg) as the most
important parameters in driving the fish community structure. Field observations and metal results
attest that the Nandoni reservoir shows high concentrations of metals in sediments as compared
to other reservoirs, suggesting that anthropogenic activities such as car washing, brick making,
recreation, fishing, wastewater treatment work and landfill site may be the major contributor of metals
to the Nandoni reservoir, which accumulate in the littoral zones. Findings of this study highlight the
need to analyze reservoir ecological conditions at several scales. The study of macroinvertebrates and
fish, water, and sediment chemistry in the littoral zone laid the groundwork for proposing measures
for conserving aquatic ecosystems.

Keywords: aquatic ecosystems; biomonitoring; community structure; littoral macroinvertebrates;
macrozoobenthos; reservoir ecology

1. Introduction

Freshwater is among vital natural resources that play an essential role in supporting
and maintaining life on Earth [1]. Freshwater constitutes approximately 2.5 percent of the
overall water volume on planet Earth, but in turn, it serves as habitat and the foundation
of aquatic biodiversity [2]. Aquatic ecosystems such as lakes, ponds, streams, rivers, and
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wetlands provide important services for human life such as water security, food security,
and economic productivity [3–5]. Water is not only a life-sustaining resource for all biotic
components, but also a major factor contributing to all developmental activities associated
with environmental and cultural processes [6]. However, as tolerating as freshwater
ecosystems are, they are vulnerable to the increasing pressure and threats posed by global
anthropogenic pollution from activities such as agriculture, development of urban areas,
and mining [7–9].

According to Dalu et al. [10], water pollution is a major management concern in
developing countries, with many rivers and streams classified as endangered, as they are
subjected to untreated solid waste, wastewater discharge, higher population, stormwater,
and agricultural runoff. A study by Dalu and Chauke [11] indicated that anthropogenic
activities (for example, cattle grazing and cultivation) contribute to increased nutrient
concentration in freshwater ecosystems such as wetlands, which have a significant negative
effect on macroinvertebrate communities. Enough evidence from various studies shows
that activities within agricultural sectors tend to have a noticeable effect on water systems
in comparison to activities such as forestry and urban areas [12–14].

Among the aquatic biota, macroinvertebrates and fish are generally highly sensitive
organisms and their dynamics can seriously be affected by changes in water quality [15,16].
Due to anthropogenic activities, fish and macroinvertebrate communities are threatened,
leading to an unbalanced food-web structure in freshwater ecosystems [17,18]. These
organisms possess various attributes such as a high production rate, a faster growth
rate, and the ability to provide a meaningful ecological state over time in a particular
water body [19,20]; thus, they can be used for bioassessment of the ecological integrity
of freshwater ecosystems. Although these organisms usually respond to changes in the
quality of the water, their sensitivity may differ significantly [21].

Macroinvertebrates and fish communities are comprised of a variety of taxa with
varying degrees of pollution tolerance [22,23]. While this has been well studied in different
aquatic ecosystems, changes in community structure of macroinvertebrates and fish have
been less explored in subtropical standing water bodies [11,17]. The physicochemical
conditions of reservoirs water and sediments are intrinsically intertwined; it is therefore
difficult to disregard the dynamics of sediment flora and fauna if one wants to completely
comprehend these aquatic ecosystems [24,25]. For instance, physical and chemical variable
concentrations are important in structuring the diversity of macroinvertebrates and fish,
with implications for biodiversity conservation in these water bodies [26,27]. These dy-
namics are important to understand because catchment activities can be sources of various
metals and nutrients that are washed to the reservoirs through runoff and can enter the
reservoirs, thus altering water quality and aquatic food-web functioning [28,29]. Sediment
may also contain nutrients, heavy metals, and organochlorine pesticides that are released
into the water column and then into the food chain [30]. As a result, they contribute
significantly to a variety of biotic and abiotic processes in reservoirs [31].

Given the importance of freshwater in promoting healthy aquatic biodiversity, rapid
assessments are required to detect management and monitoring strategies to ensure the
safety of aquatic ecosystems and to aid in the documentation of policies to support these
measures. This study assessed the seasonal patterns in macroinvertebrates and fish com-
munities, and their diversity matrices in response to seasonal variations in the littoral zones
of subtropical reservoirs. These reservoirs are important ecological features because they
are habitats for many fauna and flora, foraging ground for crocodiles and a source of water
supply for many local communities around the Vhembe district. This study hypothesized
that (i) water and sediment chemistry would cause changes in macroinvertebrates and
fish communities due to various anthropogenic activities practiced in the catchment as
communities respond differently to changes in anthropogenic pressures and (ii) the hot-wet
season will have more abundant and diverse macroinvertebrates and fish than the cool-dry
season because different seasons changes aquatic dynamics.
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2. Methods and Materials
2.1. Ethical Clearance

Macroinvertebrates and fish samples were collected following ethical clearance ap-
proved by the research committee of the University of Venda (Ethical clearance No.
SES/20/ERM/14/1611).

2.2. Study Area

This research was conducted during the cool-dry and hot-wet seasons of the year
2022 in three selected water supply reservoirs, namely Nandoni (22◦59′20′′ S, 30◦36′27′′ E),
Thathe (22◦56′45′′ S 30◦20′7′′ E) and Albasini (23◦6′30′′ S 30◦7′48.2′′ E), within the Vhembe
district, Limpopo Province, South Africa (Figure 1). These reservoirs are located within
the Luvuvhu River Catchment (LRC), which connects the three reservoirs and many
tributaries [32], and forms part of the larger Limpopo River system. The selection of
these reservoirs for sampling is based on: (1) the river connection that exists within the
catchment with the reservoirs, (2) the biodiversity they inhabit, (3) the activities that are
being practiced adjacent to these dams which are associated with land degradation, and
(4) the role that they play in local communities (water provision). The Luvuvhu River rises
as a steep mountain stream in the south-easterly slopes of the Soutpansburg mountains and
runs through a variety of landscapes for approximately 200 km before joining the Limpopo
River near to Pafuri in the Kruger National Park [33,34]. The Nandoni reservoir is located
in the middle section of the LRC, whereas the Albasin and Thathe reservoirs are located in
the upper LRC, with Thathe captured along the tributary of Mutshundudi River, which is
steep, narrow, and dominated by cobble riffles [33]. The mean annual rainfall in the LRC is
608 mm and the mean annual runoff is 520 × 106 m3. The topography varies from 200 m to
1500 m, which influences rainfall and runoff distribution in the catchment [35].
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2.3. Determining Environmental Variables
2.3.1. Physicochemical Parameters of Water

During sampling, pH, conductivity (µS cm–1), total dissolved solids (mg L–1), resistiv-
ity (ohm), salinity (ppm), oxygen redox potential (mV), and water temperature (◦C) were
measured in situ at each site (n = 3; ~3 m apart) per season using a portable multiparameter
probe PCTestr 35 (Eutech/Oakton Instruments, Singapore). All physicochemical parame-
ters measurements were performed before macroinvertebrates and fish sampling. These
measurements were performed 3 m away from where macroinvertebrates and fish were
collected to avoid habitat disturbance [8].

2.3.2. Sediment Chemistry Variables

Sediment samples (n = 2) were collected from each site per season (2 m away from
where macroinvertebrates and fish were sampled) using acid-washed wooden splints, and
in order to prevent cross-contamination, each integrated sample was placed in a fresh
plastic Ziplock bag. The composite sediment samples were promptly sealed and packaged
in an ice-filled cooler box before being transported to the University of Venda Pollution
Laboratory for analysis within 24 h. Upon arrival to the laboratory, the samples were placed
in an oven and dried at 60 ◦C for 72 h. Samples were then taken out and disaggregated in a
porcelain mortar. After using a riffle splitter to homogenize the dried sediment samples, a
sediment subsample weighing 0.5 kg was separated and transported to BEMLAB in Cape
Town for further analysis. The concentrations of the following elements were analyzed
for each site and season: pH, phosphorus (P), potassium (K+), calcium (Ca2+), magnesium
(Mg2+), sodium (Na+), copper (Cu), zinc (Zn2+), manganese (Mn), boron (B), iron (Fe),
carbon (C), sulfur (S), ammonium (NH4

+), and soil organic matter (SOM). Briefly, for each
sediment sample, ammonia and phosphorus were analyzed using a SEAL Auto-Analyzer 3
coupled with high resolution and Bray-2 extract as described by Bray and Kurtz [36] and
following Allen et al. [37], an inductively coupled plasma atomic emission spectroscopy
(ICPMS) instrument was used to measure elements such as K, Zn, Na Ca, Cu, Mg, Mn, B,
Fe, and S (see Dalu et al. [38,39] for detailed methods).

2.4. Littoral Macroinvertebrates Sampling

Macroinvertebrates were collected at each site (water depth 0.1–0.6 m) and season
using a handheld kick net (frame 30 cm× 30 cm, mesh size 500 µm) by submerging the sam-
ple kick net for five minutes while kicking the benthic substrate to loosen any attached taxa
on sand and rocks, then sweeping and pulling the net through macrophytes along the 10 m
transect in the littoral zones. This sampling procedure allowed a good and enough represen-
tation of macroinvertebrates individual per unit time (see Dalu et al. [23] for methodology).
The net was then taken out of the water column and macroinvertebrates were carefully
separated from the net, and then preserved in 70% ethanol in labelled 500 mL polyethylene
containers for further processing in the laboratory. In the laboratory, macroinvertebrates
were sorted under a dissecting Olympus microscope using forceps and identified to the fam-
ily level following the guide by Fry [40]. The results of macroinvertebrates were presented
as relative abundances.

2.5. Littoral Fish Sampling

A seine net was used to collect fish taxa in the littoral zones of the reservoirs (<1.5 m
deep). A seine net (5 m long) was pulled into the reservoir in a straight-line motion and
dragged across a 20 × 20 m transect within the reservoir by swiping all fish species found
in the covered section (n = 2). All captured fish were removed from the seine net and put
into different 20 L buckets containing water. Fish were identified to the species level on
site, and the data were recorded; then fish were released back to the reservoir immediately
after identifying each of them. The results of fish were presented as relative abundances.
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2.6. Data Analyses

Macroinvertebrate diversity metrices (evenness, Margalef’s diversity taxa richness,
Shannon–Wiener diversity, and Simpson’s diversity) were calculated using a macroin-
vertebrate community dataset in PAST version 4.03. The effects of different reservoirs
(three levels: Albasini, Nandoni, and Thathe), and seasons (two seasons; hot-wet, cool
dry), and their interaction, on environmental variables (i.e., water and sediments) and
macroinvertebrates diversity metrics, i.e., evenness, Margalef’s diversity index, taxa rich-
ness, Shannon–Wiener diversity, Simpson’s diversity index and total abundance were
examined using a factorial two-way ANOVA with Tukey’s post hoc after testing for homo-
geneity of variances (Levene’s test, p > 0.05) and normality of distribution (Shapiro–Wilk
test, p > 0.05) SPSS v16.0 (SPSS Inc., Chicago, IL, USA, 2007) were determined. In all
analyses, significance was inferred at p < 0.05.

Furthermore, distance-based Permutational Analysis of Variance (PERMANOVA)
based on Bray–Curtis dissimilarities were employed for biological data and 9999 per-
mutations along with Monte Carlo tests were utilized to analyze differences in fish and
macroinvertebrate communities using PERMANOVA + PRIMER version 6 [41].

For all community analyses, all macroinvertebrate and fish abundance data were
square-root transformed in order to reduce skewness, while all environmental variable data
except for pH were log (x + 1) transformed. We used detrended canonical correspondence
analysis (DCCA) to determine whether unimodal or linear methods would be appropriate
for the ordination analysis. The length of the gradient was examined and since the longest
gradient was <3.0, a linear constrained method, i.e., redundancy analysis (RDA), was
employed. An RDA was then performed on the transformed macroinvertebrate and fish
abundance data to mainly examine the links between species composition and the selected
environmental variables. All variables that were significant (p < 0.05) were subjected to
RDA forward selection based on environmental variables and sediment chemistry variables
to identify a minimal subset of environmental variables that were important to drive the
macroinvertebrate and fish community structure (Monte Carlo test with 9999 permutations).
The software Canoco version 5.1 was used for the analysis [42].

3. Results
3.1. Environmental Variables (Water and Sediment Chemisty)

Differences in water chemistry variables over the sampling reservoirs and different
seasons are highlighted in Table 1. Across reservoirs and seasons, temperature (mean range,
18.7–28.4 ◦C), pH (mean range, 7.5–8.4), conductivity (mean range, 78.3–421.2 µS cm–1), TDS
(mean range, 58.1–142.0), salinity (mean range, 462.6–2246.1 ppm), resistivity (mean range,
720.3–1665.0 ◦C ohm) and ORP (mean range, 41.8–54.6 mV) differed substantially (Table 1).
Significant differences were observed for temperature (ANOVA: F = 145.270; p < 0.001), pH
(ANOVA: F= 9.631; p = 0.003), conductivity (ANOVA: F = 148.528; p < 0.001), TDS (ANOVA:
F = 127.415; p < 0.001), and ORP (ANOVA: F = 48.958; p < 0.001), while seasonal differences
were observed for temperature (ANOVA: F = 1862.535; p < 0.001), pH (ANOVA: F = 21.715;
p = 0.001), conductivity (ANOVA: F = 1732.485; p < 0.001), TDS (ANOVA: F = 16.652; p = 0.002),
and salinity (ANOVA: F = 4.825; p = 0.048) and reservoirs × seasons interactions were
observed for temperature (ANOVA: F = 22.449; p < 0.001), pH (ANOVA: F = 3.915; p = 0.049),
conductivity (ANOVA: F = 119.397; p < 0.001), TDS (ANOVA: F = 199.144; p < 0.001), and ORP
(ANOVA: F = 4.543; p = 0.034) (Table 2). In general, significant differences were detected when
comparing reservoirs.

According to post hoc comparison, across reservoirs, significant differences were
observed for temperature, i.e., Albasini vs. Thathe (p < 0.001) and Nandoni vs. Thathe
(p < 0.001), pH, i.e., Albasini vs. Thathe (p = 0.018), Nandoni vs. Thathe (p = 0.003),
conductivity, i.e., Albasini vs. Nandoni (p < 0.001), Albasini vs. Thathe (p < 0.001), Nan-
doni vs. Thathe (p < 0.001), TDS, i.e., Albasini vs. Thathe (p < 0.001), Nandoni vs. Thathe
(p < 0.001) and ORP, i.e., Albasini vs. Nandoni (p < 0.001), Nandoni vs. Thathe (p < 0.001).
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Table 1. Mean (±standard deviation) water chemistry variables measured across sampling reservoirs
(i.e., Albasini, Nandoni and Thathe) and different seasons (hot-wet and cool-dry). Abbreviations:
TDS—total dissolved solids; ORP—oxidation–reduction potential.

Variables Unit Seasons
Reservoirs

Albasini Nandoni Thathe

Temperature ◦C
Cool-dry 22.4 ± 10.3 20.8 ± 9.5 18.7 ± 8.5
Hot-wet 27.6 ± 12.9 28.4 ± 13.3 25.5 ± 11.9

pH Cool-dry 7.5 ± 2.9 8.3 ± 3.3 7.5 ± 2.9
Hot-wet 8.3 ± 3.3 8.4 ± 3.3 8.1 ± 3.2

Conductivity µS cm−1 Cool-dry 128.1 ± 148.2 421.2 ± 209.8 316.0 ± 157.1
Hot-wet 205.7 ± 102.3 169.4 ± 85.0 78.3 ± 39.6

TDS mg L–1 Cool-dry 106.8 ± 52.5 132.5 ± 65.4 113.3 ± 55.8
Hot-wet 142.0 ± 70.2 123.2 ± 60.8 58.1 ± 29.7

Salinity ppm Cool-dry 481.5 ± 331.0 1902.4 ± 1417.6 2246.1 ± 1749.6
Hot-wet 462.6 ± 232.6 686.7 ± 501.6 688.3 ± 504.9

Resistivity ohm Cool-dry 1541.5 ± 950.2 778.0 ± 743.4 720.3 ± 787.9
Hot-wet 1665.0 ± 842.3 1397.0 ± 835.5 1304.6 ± 810.1

ORP mV Cool-dry 43.3 ± 20.8 50.1 ± 24.3 43.5 ± 20.9
Hot-wet 41.8 ± 20.1 54.6 ± 26.5 46.5 ± 22.4

Table 2. Two-way analysis of variance (ANOVA) based on water and sediment variables and
macroinvertebrate and fish diversity metrics for sampled reservoirs (i.e., Albasini, Nandoni and
Thathe: df = 2) and seasons (hot-wet and cool-dry: df = 1). F-values are discerned with type III sums
of squares via. Satterthwaite’s method. Significant p-values are in bold.

Variables
Reservoirs Seasons Reservoirs × Seasons

F p F p F p

Water chemistry variables
Temperature 145.270 <0.001 1862.535 <0.001 22.449 <0.001
pH 9.631 0.003 21.715 0.001 3.915 0.049
Conductivity 148.528 <0.001 1732.485 <0.001 119.397 <0.001
TDS 127.415 <0.001 16.652 0.002 199.144 <0.001
Salinity 2.100 0.165 4.825 0.048 1.212 0.332
Resistivity 1.491 0.264 2.115 0.172 0.276 0.764
ORP 48.958 <0.001 5.620 0.035 4.543 0.034
Sediment chemistry variables
pH 0.76 0.927 0.757 0.401 4.882 0.028
P 2.655 0.111 0.207 0.657 2.038 0.176
NH4

+ 0.681 0.525 0.531 0.480 0.567 0.582
K 1.690 0.226 1.625 0.227 0.482 0.629
Ca 0.312 0.738 0.285 0.603 0.303 0.744
Mg 1.242 0.323 0.571 0.465 1.841 0.201
Cu 0.403 0.677 0.001 1.000 0.244 0.787
Zn 0.131 0.878 0.001 0.971 3.154 0.079
Mn 0.582 0.574 0.096 0.763 2.639 0.112
B 1.165 0.317 1.559 0.236 0.324 0.730
Fe 0.087 0.917 0.048 0.830 1.024 0.388
C 0.956 0.412 3.119 0.103 0.719 0.507
S 1.165 0.345 0.235 0.637 5.459 0.021
Macroinvertebrate diversity metrics
Evenness 49.408 <0.001 1.353 0.267 4.228 0.041
Margalef’s diversity 40.745 <0.001 0.267 0.615 18.737 <0.001
Taxa richness 52.125 <0.001 0.042 0.842 7.292 0.008
Shannon–Wiener diversity 15.887 <0.001 3.650 0.080 3.399 0.068
Simpson’s diversity 7.549 0.008 5.985 0.031 2.046 0.172
Total abundance 51.128 <0.001 0.139 0.716 4.794 0.029
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Table 2. Cont.

Variables
Reservoirs Seasons Reservoirs × Seasons

F p F p F p

Fish diversity metrics
Evenness 29.031 <0.001 0.008 0.928 10.045 0.003
Margalef’s diversity 0.309 0.740 8.112 0.015 4.409 0.037
Taxa richness 3.040 0.085 16.000 0.002 2.560 0.119
Shannon–Wiener diversity 1.487 0.265 20.071 0.001 9.163 0.004
Simpson’s diversity 9.824 0.003 17.173 0.001 15.023 0.001
Total abundance 15.031 0.001 6.870 0.022 0.046 0.956

Generally, in the Albasini reservoir, high mean sediment chemistry variable concen-
trations were observed for pH (mean, 7.2) and Fe (565.3 mg kg−1). In the Nandoni reser-
voir, high mean sediment chemistry variable concentrations were observed for P (mean,
249 mg kg−1) and Ca (mean, 21.3 mg kg−1). Lastly, in the Thathe reservoir, high mean
sediment chemistry variable concentrations were observed for pH (mean, 7.2), NH4

+ (mean,
123.5), K (mean, 666.7 mg kg−1), Mg (mean, 20.2 mg kg−1), Cu (mean, 16.7 mg kg−1), Zn
(mean, 2.2 mg kg−1), Mn (mean, 398.1 mg kg−1), B (mean, 1.2 mg kg−1), C (mean, 2.9%) and
S (mean, 155.9 mg kg−1). With regard to seasons across reservoirs, high mean sediments
chemistry was observed for pH, P, Ca, Cu, Zn, Mn, C during the hot-wet seasons and pH,
NH4

+, K, Mg, B, Fe and S during the cool-dry season. According to two-way ANOVA, all
the sediment variables were found to be similar between the study reservoirs and seasons
(p > 0.05; Table 2).

3.2. Macroinvertebrate Communities

A total of 501 macroinvertebrate individuals belonging to 21 families and 7 orders
were identified within three selected water bodies (Table 3). In terms of orders, Hemiptera
(28.6%) was the dominating order followed by Odonata (23.8%) and Coleoptera (14.3%).
Overall, bladder snails Physidae were the most dominant family group, accounting for
31.7% of the total individuals across sampling reservoirs and seasons, with freshwater
shrimp Atyidae being the second most abundant family group (12.0%). Non-biting midges
Chironomidae were the third most abundant accounting for 8.0%. Based on the two-way
ANOVA model, significant differences were observed across sampling reservoirs for all
five metrics (p < 0.05; Table 2), while seasonal differences were observed for Simpson’s
diversity (ANOVA: F = 5.989; p = 0.031). Reservoirs and season interaction indicated
significant differences for most of the metrics (p < 0.05) (Table 2), with the exception for
Shannon–Wiener diversity and Simpson’s diversity (p > 0.005).

Table 3. Mean relative abundances (%) of the dominant macroinvertebrate species and diversity metrics
observed across two seasons for the study site categories: Albasini, Nandoni and Thathe reservoirs.

Order Taxa Cool-Dry Hot-Wet

Albasini Nandoni Thathe Albasini Nandoni Thathe

Mollusca Thiaridae 26.9 15.7 5.7
Mollusca Lymnaeidae 3.6 2.3
Mollusca Physidae 57.1 15.7 37.9 5.6
Crustacea Atyidae 3.6 5.9 23.5 21.3 2.9
Crustacea Potamonautidae 3.6 19.2 5.9 8.6
Odonata Aeshnidae 2.4 5.9 3.0 6.7
Odonata Lestidae 3.9 4.5
Odonata Libellulidae 3.0 7.8 0.8 10.1 14.3
Odonata Coenagrionidae 1.8 15.4 3.9 3.8 8.6
Odonata Gomphidae 2.4 15.4 2.0 7.6 1.1

179



Water 2024, 16, 42

Table 3. Cont.

Order Taxa Cool-Dry Hot-Wet

Albasini Nandoni Thathe Albasini Nandoni Thathe

Coleoptera Dytiscidae 4.8 19.2 7.8 5.6
Coleoptera Gyrinidae 6.0 0.8
Coleoptera Hydroptilidae 3.0
Hemiptera Nepidae 3.6 5.9 6.1 10.1
Hemiptera Notonectidae 9.8 9.0
Hemiptera Gerridae 3.0 7.9
Hemiptera Belostomatidae 4.2 2.0 8.6
Hemiptera Aphelocheiridae 3.9 2.3
Hemiptera Corixidae 3.9 3.9
Ephemeroptera Baetidae 1.2 17.1
Diptera Chironomidae 9.1 18.0 34.3
Diversity metrics
Evenness 0.4 0.9 0.9 0.6 0.9 0.9
Margalef’s diversity 2.8 3.2 1.1 2.4 2.5 2.1
Taxa richness 14 6 15 12 11 8
Shannon–Wiener diversity 1.7 2.2 1.0 1.8 2.1 1.6
Simpson’s diversity 0.7 0.9 0.6 0.8 0.9 0.8

Using PERMANOVA, macroinvertebrate community structure was found to differ
significantly among reservoirs (PERMANOVA: Pseudo-F = 9.8429, p(MC) < 0.001) and
seasons (PERMANOVA: Pseudo-F = 7.07, p(MC) < 0.001). The interaction between reser-
voirs and seasons was also found to be different (PERMANOVA: Pseudo-F = 2.7995,
p(MC) < 0.001). Pairwise comparisons highlighted significant differences in macroinverte-
brate community structure between reservoirs, i.e., Albasini vs. Nandoni (p(MC) = 0.0018),
Albasini vs. Thathe p(MC) = 0.0023) and Nandoni vs. Thathe (p(MC) = 0.0015).

3.3. Fish Communities

In total, 359 fish individuals were identified within the three reservoirs over the study
period, with 111, 176, and 69 individuals being identified in Albasini, Nandoni, and Thathe,
respectively. Overall, Mozambique tilapia Oreochromis mossambicus (Peters, 1852) was the
most dominant taxa accounting for 33.7% of the total individuals, followed by Banded
tilapia Tilapia Sparrmanii (Smith, 1840), largemouth Bass Micropterus salmoides (Lacépède,
1802), Straightfin Barb Enteromius paludinosus (Peters, 1852) and sharptooth catfish Clarias
gariepinus (Burchell, 1822) accounting for 9.7%, 8.9%, 8.6% and 7.5%, respectively (Table 4).
During the hot-wet and cool-dry seasons across all reservoirs, O. mossambicus was the most
dominant taxa accounting for 29.2% and 40.1%, respectively (Table 4).

Table 4. Mean relative abundances (%) of the dominant fish species and diversity metrics observed
across two seasons for the study site categories: Albasini, Nandoni and Thathe reservoirs.

Species Cool-Dry Hot-Wet

Albasini Nandoni Thathe Albasini Nandoni Thathe

Clarias gariepinus (Burchell, 1822) 13.3 12.2 11.9 16.1
Micropterus dolomieu (Lacépède, 1802) 7.9 39.0 18.6
Micropterus salmoides (Lacépède, 1802) 23.7 5.9 6.8 16.1
Oreochromis mossambicus (Peters, 1852) 15.8 52.9 26.7 7.3 23.7 6.5
Coptodon rendalli (Boulenger, 1897) 13.2 5.9 26.7 7.3 5.1 9.7
Tilapia sparrmanii (Smith. 1840) 18.5 14.7 4.9 5.1 6.5
Enteromius afrohamiltoni (Crass, 1960) 10.5 3.4
Gambusia affinis (Baird and Girard, 1853) 33.3 6.5
Enteromius paludinosus (Peters, 1852) 14.7 12.2 13.6 16.1
Enteromius unitaeniatus (Günther, 1866) 13.2 5.9 8.5 6.5
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Table 4. Cont.

Species Cool-Dry Hot-Wet

Albasini Nandoni Thathe Albasini Nandoni Thathe

Labeo rosae (Steindachner, 1894) 3.4
Mesobola brevianalis (Boulenger, 1908) 7.3 16.1
Glossogobius guiris (Hamilton, 1822) 4.9
Labeo cylindricus (Peters, 1852) 4.9
Diversity metrics
Evenness 0.8 0.5 0.5 0.7 0.7 0.8
Margalef’s diversity 1.9 1.3 1.3 2.1 2.4 2.0
Taxa richness 7 6 3 9 10 9
Shannon–Wiener diversity 1.6 1.0 1.0 1.7 1.9 1.7
Simpson’s diversity 0.8 0.5 0.5 0.8 0.8 0.8

Based on the two-way ANOVA model, significant differences were observed across
sampling reservoirs for evenness, Simpson’s diversity and total abundance (p < 0.05;
Table 2), while seasonal differences were observed for most metrics, with exception for
evenness (p > 0.05), whereas, reservoirs and season interaction indicated significant differ-
ences for most of the metrics (p < 0.05) (Table 2), with exception for taxa richness and total
abundance (p > 0.05). Using PERMANOVA, no significant differences in fish community
structure were observed across sites PERMANOVA: Pseudo-F = 1.168, p(MC) = 1.149),
seasons (PERMANOVA: Pseudo-F = 0.616, p(MC) = 0.627) and sites and seasons interaction
(PERMANOVA: Pseudo-F = 1.352, p(MC) = 0.239).

3.4. The Influence of Environmental Parameters on Macroinvertebrate Communities

The RDA first and second axes of the selected exploratory variables accounted for
37.99% of the total macroinvertebrate community data variance. Of the 19 physicochemical
variables, the macroinvertebrate community structure across the three reservoirs and the
two sampling seasons was found to be significantly associated with water temperatures,
ORP, TDS, and conductivity (Figure 2a). Water temperature and TDS were positively
associated with the first axis, while conductivity was negatively associated with the second
axis (Figure 2a). The hot-wet season was clearly separated along the first axis from the
cool-dry season. According to their correlation with the axes, the environmental variables
determining the gradients in the RDA diagrams were temperature, conductivity, ORP and
TDS (Table 5). Only A1 (Albasani reservoir) appears to be clearly associated to Aeshnidae,
Nepidae and Gerridae which were positively correlated with high water temperature and
high TDS (Figure 2a).

3.5. The Influence of Environmental Parameters on Fish Communities

The RDA first and second axes of the selected exploratory variables accounted for
56.38% of the total fish community data variance (Figure 2b). The RDA identified five
variables (i.e., water temperature, ORP, water pH, Mg (in sediments), and conductivity
(water) as the most important in structuring the fish community structures (Figure 2b).
Water temperature, ORP, and pH were positively associated with the first axis while
conductivity was negatively associated with the second axis (Figure 2a), while water
temperature is positively associated with the first axis, and conductivity is negatively
associated with the second axis (Figure 2b). The hot-wet season was separated along the
second axis from the cool-dry season. According to their correlation with the axes, the
environmental variables determining the gradients in the RDA diagrams were temperature,
pH, ORP and conductivity (Table 5). The fish that were associated with the hot-wet seasons
were E. unitaeniatus, E. paludinosus, and L. rosae which were associated with high water
temperature and high ORP. While the fish species that were in the cool-dry season were
G. affinis, C. rendalli, and T. sparrmanii (Figure 2b).
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Figure 2. (a) Redundancy analysis (RDA) plot highlighting the relationship between measured signif-
icant environmental variables with macroinvertebrate communities between the cool-dry and hot-wet
seasons across three reservoirs, namely Nandoni, Thathe and Albasini. Abbreviations: Temp: temper-
ature; Cond: conductivity; TDS: total dissolved solids: ORP: oxidation–reduction potential: T: Thathe;
A: Albasini; N: Nandoni. The numbers correspond to: 1 = cool-dry; 2 = hot-wet. Abbreviations:
Chironom: Chironomidae; Aeshnida: Aeshnidae; Libellul: Libellulidae; Notonect: Notonectidae;
Apheloch: Aphelocheiridae; Gomphida: Gomphidae; Lymnaeid: Lymnaeidae; Hydroptl: Hydroptili-
dae; Gyrinida: Gyrinidae; Thiarida: Thiaridae; Corixida: Corixidae; Dytiscid: Dytiscidae; Coenagri:
Coenagrionidae; Belostom: Belostomatidae; Potamon: Potamonautidae. (b) Redundancy analysis
(RDA) plot highlighting the relationship between measured significant environmental variables with
fish communities between the cool-dry and hot-wet seasons across three reservoirs, namely Nandoni,
Thathe and Albasini. Abbreviations: Temp: temperature; Cond: conductivity; Mg: magnesium;
ORP: oxidation–reduction potential: T: Thathe; A: Albasini; N: Nandoni; CLG: Clarias gariepinus;
COR: Coptodon rendalli; ENA: Enteromius afrohamiltoni; ENP: Enteromius paludinosus; ENU: Enteromius
unitaeniatus; GAA: Gambusia affinis; GLG: Glossogobius guiris; LAC: Labeo cylindricus; LAR: Labeo rosae;
MEB: Mesobola brevianalis; MID: Micropterus dolomieu; MIS: Micropterus salmoides; ORM: Oreochromis
mossambicus; TIS: Tilapia sparrmanii.

Table 5. Correlation coefficients between environmental variables and the first two axes of RDA ordination.

Figure 2a Axis 1 Axis 2

Temperature 0.72 0.68
Conductivity 0.13 −0.99
ORP −0.73 0.68
TDS 0.57 −0.82
Figure 2b

Temperature 0.26 0.96
pH 0.52 0.85
ORP 0.51 0.77
Mg −0.94 0.31
Conductivity 0.82 −0.56

4. Discussion

Understanding the dynamics of water quality, sediment chemistry and macroinver-
tebrate diversity indices is crucial for monitoring and assessing the health of aquatic
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ecosystems. Benthic macroinvertebrates and various fish species are some of the effective
tools for evaluating the ecological state of aquatic environments [43,44]. Macroinverte-
brates (21 taxa) and fish species (14 taxa) recorded in the three reservoirs over a period
of two seasons demonstrated a relatively similar taxa richness when compared to other
large reservoirs studies in other regions such as 32 macroinvertebrates taxa found in small
reservoirs in the district [8]. Results of the present study show that macroinvertebrate and
fish community diversity tended to change between seasons and associated changes in the
physicochemical water quality variables. Littoral macroinvertebrates and fish were mainly
driven by water quality variables, with only sediment Mg showing a significant association
with fish assemblages. These results are similar to that of a study by Kolpin et al. [45]
and Mofu et al. [46], which indicated that water quality variables can strongly structure
fish assemblages.

From the present study, the Hemiptera order was dominant, followed by Odonata
and Coleoptera, and these are among the most diverse aquatic insect orders that character-
ize almost all environmental conditions (from extremely pristine to degraded ecological
conditions) [47]. One of the most significant and prevalent families of aquatic insects is the
family Chironomidae, which belongs to the Diptera order. Its presence in any environment
can serve as an indication of contamination [48]. Hence, in this study, high to low diversity
of species within studied reservoirs (reservoirs situated in high catchment area to low catch-
ment area) suggested that habitat conditions deteriorate from upstream to downstream. In
this study, macroinvertebrate abundance decreases with season (cool-dry), which is not
significant compared to those observed by Trottier et al. [49]. Therefore, there is still a lot
of unanswered questions regarding the ecological processes involved and the direct and
indirect causes of these ecosystem changes.

Throughout the study sites in all three reservoirs, we observed a high concentration
in some water and sediment variables, suggesting that there may be various land uses
activities within the catchment providing contaminants to these aquatic systems. Through
field observation, most land adjacent to Albasini dam is dominated by commercial agricul-
ture, which may be the primary contributors of nutrients to this reservoir. Furthermore,
with an increase in land use activities adjacent to this reservoir, we predicted the decline
in water and sediment quality at Albasini and Thathe in the near future. Looking at the
Nandoni reservoir, water and sediment quality decline is associated with the various
activities such as sewage treatment works, landfill site, recreation, fishing, washing in
the reservoir, bathing, and ritual activities. The decline in water and sediment quality in
aquatic environments can lead to a decline in absolute abundance, species richness and
diversity, which can later result in declines in aquatic biodiversity [50]. Similarly, results of
the present study agree with others that have demonstrated human activities changes to
potentially change environmental variables in aquatic systems [51–53]. Therefore, under-
standing human activities in the watershed is crucial for the sustainable management of
the aquatic environment.

The RDA suggests that some macroinvertebrate taxa such as Chironomidae, Gerridae,
Dytiscidae, Gomphidae, Belostomatidae and Libellulidae were mostly affected by water
variables (i.e., water temperature, ORP, TDS, and conductivity), with no sediment variable
inducing any significant changes. Similarly, results were observed in other studies, where
physicochemical parameters such as pH, conductivity and temperature drive macroinver-
tebrates communities [11,54,55]. Furthermore, fish communities within the three reservoirs
in the study sites and across the two seasons were driven by water temperature, ORP,
pH, and conductivity with an addition of sediment metal magnesium. According to Syl-
vain et al. [56], metals such as magnesium have been documented to drive microbiota and
fish compositional shifts along widespread hydrochemical gradients. The high magnesium
concentration in sediment was recorded in the littoral zones where fish sampling was
performed, suggesting a direct influence of Mg on fish structure. However, we observed
some resistant fish species (M. salmoides, O. mossambicus, C. rendalli and T. sparrmanii) which
were found in littoral zones of the Nandoni reservoir, which recorded a high concentration
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of sediment metals and physicochemical variables. Furthermore, significant changes in
fish and macroinvertebrates diversity indices were observed, whereby species richness and
Shannon wiener diversity decreased with water quality concentration across sites.

According to Zhang et al. [57], reservoirs with a substantial amount of anthropogenic
activity input are likely to have higher sediment metal concentrations, which has major
negative impacts on aquatic biota. Similarly, Tamiru [58] highlighted that in the lake
Tana (Northwestern Ethiopia), changes in water chemistry had a considerable impact on
aquatic biodiversity, leading to significant changes in biomass, productivity, and littoral
biogeochemistry. Therefore, since species reacted to changes in environmental factors, these
findings may suggest that fish species are the primary determinants of biotic community
structure within reservoirs with exception to few variables. The results of the present
study agree with the hypothesis that fish and macroinvertebrates community diversity
will be high during the hot-wet seasons since most of these reservoirs increase water
levels during the hot-wet season, which provides a conducive environment for fish and
macroinvertebrates to thrive.

5. Conclusions

The present study indicates that the abundances and diversity of macroinvertebrates
and fish taxa are driven by seasonal patterns in the littoral zones of subtropical reservoirs.
In addition, selected water and sediment chemistry variables were able to drive the species
assemblages within the reservoirs. Among the local environmental factors, sediment
metal has little impact on the species communities as compared to water parameters,
allowing only a narrow spectrum of sediment and water chemistry to drive the structure
of macroinvertebrates and fish. Seasonal changes were shown to contribute highly to the
communities based on diversity indices, which significantly changes across seasons. These
findings suggest that management strategies aimed at maintaining high levels of aquatic
biodiversity in reservoirs should be directed towards reducing the level of anthropogenic
pressure (i.e., contaminants from the catchment, including those in water and benthic
sediments), while ensuring the continuous assessment of aquatic fauna to determine the
ecological status.
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Abstract: The aim of this study was to assess the frequency of spicule malformations in freshwater
sponges in relation to selected environmental parameters of the streams and the presence of river
pollutants. A total of 50 sponge samples were collected from ten rivers in Serbia. Selected parameters
of the water varied considerably at every site where sponges were found. After spicule preparation,
the samples were subjected to morphological analysis by light and scanning electron microscopy,
and the number of anomalies were recorded (spicules with bulbous enlargements, sharply bent,
bifurcated, scissor- and cross-like, and t-shaped). The frequencies and types of malformations within
the analyzed specimens varied from 1 to 100 per 1000 spicules, with an average number of 12 per
1000. The main types of anomalies were single- and double-bent spicules. The highest number of
anomalies was found in a specimen of Eunapius fragilis collected at Markovac (Velika Morava River),
and the lowest number was found in a specimen of Ephydatia fluviatilis from Kanjiža (Tisa River). The
sites with the lowest and the highest numbers of anomalies showed statistically significant differences
in concentrations of ammonia, orthophosphates, sodium, chloride, manganese, and lead. This study
indicates that several pollutants potentially affect the occurrence of spicule anomalies.

Keywords: Spongillidae; sponges; freshwater; spicule; anomalies; malformations; pollution; heavy
metals; environmental parameters

1. Introduction

Freshwater sponges are a relatively neglected group of macroinvertebrates, and yet,
they are omnipresent. Sponges are predominantly marine, with about 240 species, grouped
in 48 genera and 6 families, and inhabit freshwater ecosystems all over the world [1].
Freshwater sponges (Phylum Porifera, family Spongillidae) are sessile organisms attached
to hard substrates of all kinds, and similarly to their marine relatives, they produce many
bioactive compounds. Freshwater sponges are widespread and often a common component
of many ecosystems. They can be found in rivers, streams, springs, rapids, estuaries, lakes,
caves, ponds, anthropogenic reservoirs, pools, etc. [1]. They are mainly attached to a
solid substrate, which includes stones, rocks, submerged branches, roots, and vegetative
organs of various aquatic plants. They can often be found on mollusk shells, as well as on
live shellfish or snails. They also show great affinity for various types of anthropogenic
substrates submerged in water, such as glass, cement, plastic, and metal objects [1]. Artificial
bank fortifications are especially suitable for the colonization of sponges. Even so, their
distribution is fairly irregular. In some habitats, they are sporadic, with very little share in
the total biomass, while in others, they are very abundant [2–4].

Sponges spend their full vegetative life cycle in one place, exposed to the conditions
of the water body they inhabit. Moreover, they are filter feeders with substantial filtering
potential (often amounting to hundreds of liters per hour) and consequently, with a role in
processes of water purification. This makes them a vital element of aquatic ecosystems and
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a potentially suitable water quality bioindicator. Freshwater sponges show a propensity
towards calmer and cleaner waters, in which there is less possibility of silting up of the
pores and obstruction of breathing and nutrition. However, they are often found in polluted
waters as well, for example near industrial plant discharges or waste water collectors, where
there is a higher level of organic input [5].

Freshwater sponges are frequently found in symbiosis with green algae, which affect
host gemmule germination rates, enhance its growth rate due to net gain from photosyn-
thesis, and provide fixed carbon for metabolism [6]. Due to their low nutritional value and
high mineral content, sponges do not have many predators. However, some organisms do
feed on them. Rare sponge predators include ducks [7], crayfish [8], some aquatic insects,
and snails [9,10].

Aquatic ecosystems of southeast Europe have been poorly investigated in terms of
freshwater sponge presence and their precise distribution. Though they represent an
important component in many aquatic ecosystems, they are often overlooked, as they are
rarely collected during standard sampling procedures. Previous investigations of Serbian
waters revealed mainly Spongilla lacustris (Linnaeus, 1759) species, sporadically found in
the benthic macroinvertebrate communities of large rivers (Globaqua, JDS3 report). Recent
studies on freshwater sponges of the western Balkans and some parts of the Pannonian
Plain by Andjus et al. [11,12] confirmed the presence of five species in different water bodies.

In recent years, data regarding Spongillidae morphology, distribution, phylogeny, etc.
are increasing. Spicules, as structural elements of the skeleton of most sponges, have been
the subject of numerous research efforts. Interestingly, one aspect of freshwater sponge biol-
ogy remains rather uninvestigated. Namely, different studies have mentioned the existence
of spicule malformations, yet very few have elaborated on this topic. Earlier studies have
shown that environmental factors have a fundamental impact on Spongillidae spicule size
and shape [13,14]. Among the most important factors in the synthesis of these structural
elements are silica concentration, water temperature, and depth [15–19]. The importance of
these parameters has been assessed both in field and in laboratory experiments. Lowering
concentrations of silica in experimental conditions inhibits spicule synthesis. Also, most
continental freshwater sponges prefer summer temperatures when they grow, while they
are receding, and in dormant gemmule form during cold periods [20]. The toxicity of
copper and zinc rises with water “softness” (lower mineral content), contributing to altered
spiculogenesis as well [21]. For other benthic organisms, particularly diatoms, numerous
studies have shown a connection between morphological changes and environmental
stressors, mostly trace metals and multiple stressors [22,23]. It was noted that some of
the genera from this algae group tend to develop deviations from the normal shape or
ornamentations of the cell wall, which reflect sub-lethal responses to contaminants [24].

Although molecular genetics offers great possibilities in the sponge identification
process, morphological analysis of the sponge mineral skeleton remains an unavoidable
tool in Porifera taxonomy. However, it is not rare that ecomorphs are mistakenly registered
as a new species due to aberrant spicules, and thus, additional information on sponge
skeletal malformations is needed. The aims of the present study were to describe and
quantify the most frequently encountered spicule anomalies in different sponge species
collected in Serbian rivers and, if possible, to relate their presence to the streams’ physico-
chemical characteristics and the pollutants’ presence.

2. Materials and Methods
2.1. Study Area

For the present study, ten rivers of the Danube River Basin in Serbia were investigated
as major representatives of the basin: Velika Morava, Zapadna Morava, Južna Morava, Tisa,
Kolubara, Porečka River, Mlava, Beli Timok, Crni Timok, and Nišava. On average, three to
five localities in the upper, middle, and lower sections of the rivers were inspected in the
period from August–November 2017 (Figure 1).
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2.2. Sponge Sampling

Wadeable rivers were searched in their entire width, and the larger ones were in the
coastal zone. They were examined on selected localities within 100 m stretches of wadeable
areas and at depths usually between 0 to 1.5 m. The main sponge substrates were medium-
sized rocks, wood debris, and submerged tree roots, but some specimens were also found
attached to barrels and concrete underwater constructions, like piers. A total of 50 sponge
specimens were collected and kept in 96% ethanol until spicule preparation.

2.3. Analysis of Selected Environmental Parameters of the Rivers

Physico-chemical parameters considered relevant for sponge ecology based on litera-
ture data [25] were included in the statistical analysis: water temperature, pH, electrical
conductivity, suspended solids, dissolved oxygen, oxygen saturation, total water hardness,
dissolved carbon dioxide, bicarbonates, total dissolved salts, silicates, and calcium. Tem-
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perature, pH, conductivity, and dissolved oxygen were measured in situ, using the WTW
probe model Multi 3630 IDS SET G.

For other selected parameters, such as heavy metal concentrations, nitrates, etc., data
were obtained from the Agency for Environmental Protection of Serbia [26]. The Environ-
mental Protection Agency measures a vast number of physical and chemical parameters on
a monthly basis, and average values for the period of sponge collection were calculated
from the available data.

2.4. Spicule Preparation and Light Microscopy

The nitric acid technique, as described by Manconi and Pronzato [27], was used to
dissolve sponge tissue and prepare spicules for light microscope analysis. Sponge fragments
of approximately 2–5 mm were washed with ethanol, dried, and put into glass tubes. Then,
they were covered with 2–5 mL of concentrated nitric acid and left to decompose for 24 h.
The acid was removed with a pipette, and the spicule pellet was washed repeatedly with
distilled water. Finally, the spicules were rinsed with and re-suspended in 96% ethanol. A
drop of suspension was placed on a cover slip, and after the alcohol dried, the cover slip
was placed over the microscope slides with a drop of Canada balsam. Slides were analyzed
under magnifications of 20× and 40× on a light microscope (model ZEISS AXIO Lab.A1),
and spicule malformations were scored. Spicule sizes were measured as well.

2.5. Quantification and Classification of Spicule Malformations

For the quantification of anomalies, light microscopy was used, and all spicules
without apparent malformations and within normal size ranges [28] in five randomly
chosen fields of view (FOV) were counted. Then, the average number of spicules per FOV
was multiplied by the total number of FOV on the microscopic slide. The anomalies were
counted on the entire slide, and the results were expressed in the number of anomalies
per thousand spicules (1 × 103). All detected anomalies were sorted into main groups and
named. The classification of known types of anomalies was proposed (Section 3.4).

2.6. Scanning Electron Microscopy

To analyze the sponge spicules more closely, specimens were prepared for SEM
analysis. Drops of spicule suspension in ethanol were placed on specimen holders and
coated with gold in a gold sputter at 18 mA for 1 min. Elements of the mineral skeleton were
analyzed and photographed in a VEGA TS 5133MM Scanning Electron Microscope (SEM)
in high-vacuum mode using the SE detector with accelerating voltage. Measurements of
spicules (widths and lengths) were taken, and a more accurate observation of anomalies
was performed.

2.7. Statistical Analysis

Differences in selected parameters between the rivers containing sponges were an-
alyzed. A comparison was made between the measured values of parameters at sites
with the highest number of sponge spicule anomalies and values at sites with the lowest
number of anomalies. Statistical analyses were performed using IBM SPSS Statistics for
Windows Software (Version 22.0; IBM Corp, Armonk, NY, USA). The statistical significance
between numerical data was determined by Student’s t-test. Assumptions of normality
were verified using Kolmogorov–Smirnov and Shapiro–Wilks tests. All p-values less than
0.05 were considered significant.

3. Results
3.1. Sponge Distribution

In the ten investigated rivers, 51 localities were selected and analyzed. Three to five lo-
cations in the upper, middle, and lower sections of each river were chosen as sampling sites.
Sponges were found at 18 out of the 51 investigated localities (Figure 1), and 50 samples
were collected in total. Among all examined samples, five species of sponges were recorded.
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The detected species, from the most to the least frequent in the samples, were the following:
Ephydatia fluviatilis (Linnaeus, 1759) (24 samples), Ephydatia muelleri (Lieberkühn, 1856)
(8 samples), Spongilla lacustris (Linnaeus, 1759) (9 samples), Trochospongilla horrida Weltner,
1893 (5 samples), and Eunapius fragilis (Leidy, 1851) (4 samples). It must be emphasized that
not every species was detected at each of the 18 locations, indicating diverse community
compositions. Interestingly, the presence of one of the species, characteristic of this part of
Europe, Heteromeyenia stepanowii (Dybowski, 1884), was not confirmed.

3.2. Sponge Characteristics

Briefly, the appearance of E. fluviatilis was highly variable, from a relatively thin
lichen-like layer covering the substrate to massive capped or ridged forms. The color of the
body also varied greatly from whitish to brown, and due to symbiosis with algae, green
specimens could be found as well (Figure 2).
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Figure 2. In situ appearances of three of the five sponges encountered on typical rocky substrates: S.
lacustris (green color indicating symbiosis with algae)—(a); E. fragilis—(b); E. fluviatilis—(c).

E. muelleri was phenotypically very similar to E. fluviatilis. E. muelleri was found in
various shades of brown, gray, and yellow, but as a result of symbiosis with algae, some
green specimens were also seen. The shape of the body was irregular, and the surface was
often papillar.

The vegetative body of S. lacustris was characterized by cylindrical, finger-like out-
growths that extended and branched from the axis of the body attached to the substrate.
Thanks to these outgrowths, S. lacustris could be fairly accurately distinguished from other
species in situ. Due to the presence of symbiotic algae, the body color was usually green.

E. fragilis was also often in symbiosis with algae, which turned its color green. Oth-
erwise, it was grayish to brown. After growing a couple of centimeters wide, it had a
cushion-like form, with visible ostia and sometimes bud-like protuberances.

The body of T. horrida was mostly flat and covered the substrate in the form of a thin
layer with an irregular border. The color ranged from yellowish to dark brown.

3.3. Spicules Characteristics

Before analyzing spicule anomalies, normal spicules of the five sponge species were
examined, and their morphology and size were recorded. The appearance of the spicules
was generally in agreement with previous reports. The mineral skeleton of E. fluviatilis is
characterized by two types of spicules: megascleres and gemmuloscleres. There are no
microscleres in this species. The sizes of the megascleres (oxa) are in the 250–380 µm range
in length and the 12–19 µm range in width. They are needle-shaped, slightly curved, and
rarely straight. The surface of the megascleres may be smooth or covered with micro-thorns
(Figure 3B). Gemmuloscleres are in the form of birotules, with a smooth or thorny axis,
flat rotules of the same diameter, and micro-thorns and irregularly incised edges, with
15–20 teeth. The dimensions of the gemmuloscleres range from 21 to 25 µm in length,
while the shafts are 2–4 µm wide. The diameters of the rotules are 18–23 µm (Figure 3B).
E. muelleri is characterized by the presence of two variants of megascleres. They are
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usually densely covered with micro-thorns (except at the ends), but they can be completely
smooth. The megascleres measure 170–320 µm in length. This species does not have
microscleres. The microskeleton of S. lacustris differs from the previously mentioned
species in that it has another class of spicules—microscleres. These spicules are located
between megascleres and give the sponge extra support. Megascleres are in the shape of
smooth amphioxea, 160–350 µm long, and 5–17 µm wide. The microscleres are also of the
amphioxea type, slightly to strongly curved, and densely covered with minuscule thorns.
The microscleres measure 35–95 µm in length. Gemmuloscleres are slightly to strongly
curved and covered with microspines. The gemmuloscleres range from 18 to 70 µm in
length and 3 to 10 µm in width. E. fragilis is characterized by amphioxa-type megascleres
that are smooth, 165–261 µm long, and 10–14 µm wide. This type of sponge does not have
microscleres. Gemmuloscleres belong to the amphistrongile type. They have blunt ends
and are covered with thorns, mostly concentrated toward the tips (Figure 3A). The length
ranges from 50 to 110 µm, and the width ranges from 4 to 9 µm.
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Figure 3. Representative spicules of E. fragilis (megascleres detail and gemmulosclere)—(A); E.
fluviatilis (megasclere and gemmuloscleres–birotules)—(B); and T. horrida (numerous megascleres
and birotules)—(C).

Megascleres of T. horrida species are of the amphioxea type and densely covered with
blunt, thorny outgrowths. Dimensions range from 165 to 245 µm. Microscleres do not exist.
Gemmuloscleres are in the form of birotules, with a short, smooth axis (the length of the
axis is shorter than the diameter of the rotule) and rotules with smooth edges (Figure 3C).
One is usually slightly larger in diameter than the other. The ranges of different spicule
dimensions are shown in Table 1, while several representative skeletal elements of different
Spongillida species are displayed in Figure 3.

Table 1. Spicule types and size ranges for species collected during the study.

Species/Spicule Sizes (µm)
Megasclere Gemulosclere Microsclere

Length Width Length Width Rotule Diameter Length Width

E. fluviatilis 250–380 12–19 21–25 2–4 18–23 / /

E. muelleri 170–320 12–21 8–24 2–4 9–25 / /

S. lacustris 160–350 5–17 18–70 3–10 / 35–95 4–7

E. fragilis 165–261 10–14 50–110 5–9 / / /

T. horrida 165–245 8–12 8–10 2–5 13–15 / /

3.4. Spicule Anomalies

The types and incidences of spicule malformations varied considerably within the
analyzed specimens. The frequency of anomalies ranged from 1 × 10−3 to 97 × 10−3, with
an average number of 12 × 10−3. Among different spicule types, megascleres were the
most affected by malformations, followed by microscleres. Gemmulosclere anomalies were
seldom detected. The most frequent anomalies were spicules sharply bent at different angles
near one end, both ends, or medially (Figure 4A–C). Spicules with split ends (bifurcated)
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were also common in different species (Figure 4D–F). Scissor-like or cross-like spicules
(Figure 4G–I) and T-shaped spicules were recurrent as well (Figure 4J–L).
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Figure 4. Compilation of encountered forms of spicule anomalies seen in specimens of freshwater
sponges (light microscopy): megasclere bent near one end, both ends, and medially (A–C); bifurcated
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As an example of a peculiar anomaly—spicules with bulbous, spherical enlargements
along the axis were found at high frequency in specimens of E. fragilis but could be seen
in E. fluviatilis and E. muelleri as well. Single or multiple bulbous enlargements were
recorded on both megascleres and microscleres (Figure 4M–O). These were the most often
encountered anomalies. A few anomalies appeared extremely rarely in our samples, such as
gemmuloscleres forming loops, polyaxial spicules resembling skeletal structures in marine
sponges, and spicules with complex malformation (Figure 5A–C).

Some of the most frequent malformations were observed with SEM as well (Figure 6).
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Figure 5. Rare types of spicule anomalies: gemmulosclere of S. lacustris, usually straight or slightly
curved, forming a circle here (A); spicule with multiple anomalies (B); polyaxial spicule aberration,
resembling spicules from marine species (C).

3.5. Spicule Anomalies in Relation to Environmental Parameters and Pollutants

Considerable variations among the ten surveyed rivers were noted regarding the main
parameters (oxygen saturation, pH, temperature, and conductivity), levels of metals (iron,
copper, led, etc.), and other pollutants, such as nitrates, orthophosphates, sodium, chlorides,
etc. However, those levels did not exceed limits defined by legislation [29]. In order to
uncover potential factors conditioning the appearance of spicule anomalies, we compared
the rivers that harbored sponges with extreme values of anomaly frequency (lowest and
highest). The two rivers, Tisa and Velika Morava, showed statistically significant differences
in the following factors: pH, ammonia, orthophosphates, sodium, chloride, manganese,
and lead (Table 2).

Table 2. Physico-chemical parameters and pollutants on sites with the least detected anomalies (Tisa,
Martonoš) versus the most detected spicule anomalies (Velika Morava, Bagrdan); ns—non significant.

Parameter
Tisa, Martonoš V. Morava

Bagrdan t-Test

Mean ± SD Mean ± SD df Sign.

Watertemperature (◦C) 13.6 ± 9.5 14.6 ± 9.1 20 ns

Turbidity (NTU) 23.4 ± 17.6 58.3 ± 10.8 20 ns

pH 8.00 ± 0.13 8.21 ± 0.16 20 0.010

Oxygensaturation (%) 88.6 ± 4.7 95.9 ± 10.0 20 ns

Conductivity (µS/cm) 427.4 ± 71.9 402.9 ± 41.7 20 ns

Ammonia(NH4-N) 0.067 ± 0.069 0.207 ± 0.228 20 0.048

Nitrates(N-NO3) mg/L 0.675 ± 0.314 1.200 ± 0.455 20 ns

Orthophosphate(O-PO4) mg/L 0.045 ± 0.012 0.083 ± 0.031 20 0.006

Sodium(Na) mg/L 32.5 ± 8.4 13.1 ± 4.5 20 0.000

Chloride(Cl) mg/L 38.3 ± 14.5 12.9 ± 3.6 20 0.000

Manganese(Mn) µg/L 61.6 ± 35.9 139.2 ± 73.8 20 0.028

Zink(Zn) µg/L 32.6 ± 25.2 13.6 ± 7.9 20 ns

Copper(Cu) µg/L 5.8 ± 1.0 7.0 ± 3.6 20 ns

Led(Pb) µg/L 2.2 ± 1.1 9.5 ± 8.7 20 0.046

Aluminum(Al) µg/L 599.3 ± 452.6 1086.8 ± 1049.8 20 ns
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Figure 6. Collection of spicule anomalies analyzed with SEM: a thorny spicule of T. horrida sharply
bent near one end (A); spicule sharply bent medially (B); spicule symmetrically bent on both ends
(C); cross-like spicule (D); spicule with a thorn (E); bifurcating spicule (F); spicule anomaly in the
shape of bulbous enlargements on megascleres (G,H); and microscleres (I).

The lowest number of anomalies was found in a specimen of E. fluviatilis (1 × 10−3)
from Kanjiža near Martonoš (Tisa River), and the main type of anomaly was the bent
megasclere (single distal bend). The highest number of anomalies was found in a specimen
of E. fragilis (97 × 10−3) collected at Markovac near Bagrdan (Velika Morava River), and
the predominant anomalies were bulbous megascleres. The orthophosphates concentration
was lower in Tisa than in V. Morava, while sodium and chloride were both present at higher
concentrations on the site that harbored sponges with less anomalies.
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4. Discussion

According to current as well as our previous fieldwork, freshwater sponges were not
frequent organisms in the studied water bodies. The number of sites where sponges were
recorded represents a smaller part of the total number of searched sites. Their abundance,
with a few exceptions, was low as well, since only a small number of specimens were
collected from the sites where their presence was established. They were observed to
display a tendency towards coastal zones and areas with slower water currents. However,
in shallow rivers, they were discovered in locations further away from the banks, even in
the midst of the stream. Sponges were mostly detected and collected at depths ranging
from 0.5 to 1.5 m, and can be found on both natural and artificial substrates. Furthermore,
they exhibited a distinct affinity for slightly alkaline and well-oxygenated water, as well as
higher temperatures and conductivity.

In the present study, we tried to make a catalogue of the most frequent spicule anoma-
lies encountered in Porifera from Serbian rivers and look for a relationship, if any, between
the occurrence of anomalies and selected environmental parameters. Quite remarkably,
a number of studies have dealt with the process of spiculogenesis and its regulation in
freshwater and marine sponges, both in vitro and in vivo [30–34], and yet, information
regarding spicule anomalies is very limited. Holwoet and Van der Vyer, for instance,
demonstrated the substantial impact of silicate concentration on spicule formation in Ephy-
datia fluviatilis in terms of their quantity. The number of spicules was inversely related
to silicate concentrations, both when sponges were grown under standard conditions in
mineral medium, as well as when the differentiation of the aquiferous system was inhibited
(hydroxyurea added to the medium), or the integration of spicules into a tridimensional
network was disrupted (puromycine added to the medium). Yet, there was no comment
about the possible impact on spicule morphology [35]. In the study by Nakayama et al.,
the complex steps of spicule formation and positioning, which include the activities of
different classes of cells, were described in great detail in E. fluviatilis, but again, only
normal morphogenesis was considered [34].

Interestingly, novel data on the specific topic of spicule malformations are missing.
Several important historical papers have raised the question of spicule anomalies and their
relation to water pollution. For instance, malformations were observed in spicules of Tro-
chospongilla leidyi growing in iron water pipes [36] and megascleres of E. fluviatilis growing
in water polluted by industrial wastes [37]. Some field observations have suggested that
sponges are sensitive to chemical pollution [5], while other studies have been unable to
find a clear relationship between spicule malformations and specific causal agents [3].

Sponge skeletal elements in the present study were observed using both light mi-
croscopy and scanning electron microscopy, and the morphologies of normal spicules
belonging to the five recorded species, as well as their dimensions, corresponded with liter-
ature data [38,39]. On the other hand, the encountered anomalies varied greatly in terms
of both morphology and frequency; the frequencies of spicules with structural anomalies
varied practically two orders of magnitude between the localities and between the species.

The highest percentage of anomalies was found in E. fragilis (almost 10% of spicules
were aberrant), while the lowest was in E. fluviatilis (only 1‰). The two “antipode” rivers,
i.e., the rivers with sponges that had the biggest (Velika Morava) and smallest (Tisa)
numbers of anomalies, showed statistically significant differences in a number of pollutants.
Hence, we can speculate that they might have impacted anomaly occurrence. For instance,
the concentrations of ammonia, manganese, and lead were 3, 2.3, and 4.3 times, higher in
Velika Morava, respectively, compared to Tisa and could potentially affect spiculogenesis.
This finding is in line with the study of Richelle et al., who demonstrated that E. fluviatilis
was affected by Cd and Hg and that relatively low metal concentrations could cause spicule
malformations [13]. However, in the mentioned study, the sponges were artificially grown
in selected portions of rivers characterized by different types of pollution. On the other
hand, it seems that the scarcity of some elements, such as sodium and chloride (2.5 and

197



Water 2024, 16, 332

3 times, respectively, lower concentrations in Velika Morava than in Tisa) might play a role
in the development of malformations, given the statistically highly significant difference.

Interestingly some authors have pointed to the influence of copper and zinc on spicu-
logenesis [21]. In the present study, these metals did not seem to influence the appearance
of anomalies.

The fact that E. fragilis had 10 times more aberrations than recorded on average, in
the absence of extreme environmental conditions (none of the pollutant’s concentrations
exceeded limits defined by legislation), should be emphasized. It suggests that E. fragilis
might be more sensitive to different pollutants than other species. This finding is in
agreement with a report on sponges from Lake Ilopango, El Salvador [14]. Namely, a
very high frequency of anomalies (bulbous structures) was registered in Spongilla alba,
and their occurrence was related to elevated concentrations of arsenic, while at the same
time, spicules of E. fluviatilis from this lake were without malformations, pointing again to
differences in sensitivity, depending on the species.

Freshwater sponges were poorly represented in the surveyed localities in Serbia; a
small number of sponges was collected, i.e., their abundance was low, which represents
a limitation in the present study. In light of the scarcity of sponge samples, our focus in
the analysis was on exploring potential trends and possibilities rather than establishing
definitive correlations. We believe that even with a limited sample size, our study provides
valuable insights into the interplay between physical and chemical parameters and sponge
anomalies. The second limitation of sponge paucity was, consequently, the fact that not all
sponge species were present at the same localities, preventing the comparison of species–
specific propensities to aberrant spiculogenesis in a given environment.

5. Conclusions

The present study describes the pattern of sponge spicule malformations in different
rivers from inland Serbia. Several factors can explain the observed pattern, ranging from
environmental parameters to aberrant spiculogenesis, the origin of which is still unclear.
The use of this invertebrate taxon as a bioindicator could be significantly increased if studies
confirm a relationship between the changes in the chemical and physical parameters of
streams and the frequency of anomalies found in spicules. Future investigations on larger
samples of Porifera are needed.
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