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Humans and animals may be exposed on a continuous daily basis to a mixture of
environmental contaminants that may act on several organ systems through differing
mechanisms [1] resulting in adverse consequences. Environmental contamination now
constitutes a major global issue with adverse effects on health of the ecosystem and food
security. Globally, air pollution alone produces millions of premature deaths annually,
predominantly associated with from lung cancer, chronic obstructive pulmonary disease
(COPD), asthma, stroke, heart failure, and respiratory infections, according to the World
Health Organization (WHO) [2]. It is noteworthy that 99% of humanity breathes air
containing contaminants above recommended levels.

In order to mitigate contamination and diminish e our burden of pollutant -related
diseases, we need to devise target-specific strategies to prevent or decrease exposure. To
that end, risk assessment attributed to exposure to synthetic or and naturally occurring
contaminants is necessary and; thus evidence obtained from toxicity studies appears to
be of critical importance. Comprehensive efforts need to be undertaken to search for
possible underlying mechanisms of action for each pollutant to establish toxic potential
and safe limits through both in vitro and in vivo animal testing approaches. This issue
focused on environmental pollutants including heavy metals, pesticides, nanoparticles,
micro-nanoplastics, indoor air pollutants, pharmaceuticals, and industrial toxicants with
effects on human health, risk assessment, and relationship between various diseases and
environmental pollutants. Human exposure to environmental pollutants may initiate
adverse effects including neurotoxicity, carcinogenicity, infertility, and metabolic disorders.
Therefore, research into possible mechanisms of action for environmental contaminants is
of critical importance for the well-being of humans and animals [3].

Over the last couple of decades, novel in vitro and in vivo methods and techniques
were developed in the scientific discipline genotoxicology, enabling investigators to quantify
genotoxicity attributed to exposure to certain compounds [4,5]. Acute or chronic exposure
to environmental contaminants is known to be associated with several adverse health
conditions, including cancer, impaired immune and reproductive function, as well as
imbalanced gastrointestinal microbiota, which regulates a range of host metabolic and
immune processes. The aims of this topic are to present a comprehensive overview of
different studies carried out with in vivo and in vitro model organisms and the potential
risk of environmental pollutants exposure to human health. In this Topic, 20 original articles,
6 reviews and 1 communication were collected, as presented in Table 1 with a particular
focus on alcohol-based hand sanitizers, polycyclic aromatic hydrocarbons, monochromatic
light pollution, paraben as an endocrine disruptors, heavy metal pollution attributed
to antimony and arsenic of mines in the soil, water, and sediments, groundwater with
high fluoride, virus transmission from heating, ventilation, and air conditioning systems
of urban subways, chronic home radon exposure, organotin compounds, heavy metal
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pollutants including mercury, lead, cadmium, polypropylene microplastics, ventral body
wall defects in chick embryos, microcystin-LR as an aquatic toxin, N-nitroso compounds,
methylmercury as a global pollutant, triazine herbicides, persistent organic pollutants,
bisphenol A and trace metals, autophagy, nano- and micro-sized polystyrene particles,
tributyltin as an environmental contaminant, polybrominated diphenyl ethers, and per-
and polyfluoralkyl substances. Most of the examined compounds originated from natural
sources, whereas some semi-synthetic derivatives were also identified and discussed. The
most recent findings on the effects of compounds and their constituents in treating various
toxic outcomes and genotoxicity are discussed. These studies summarize our current
knowledge based upon previous in vitro and in vivo research that scrutinized the influence
of several environmental contaminants on various mammalian and non-target model
organisms at several genetic, cellular, and molecular levels, as well as potential mechanisms
underlying toxicity.

Table 1. Original articles and reviews collected in the six journals participating in the Topic using
different in vitro and in vivo model systems.

Title Author Journal Year DOI

Evaluation of the Safety and Efficacy of Hand Sanitizer
Products Marketed to Children Available during the

COVID-19 Pandemic
[6] IJERPH 2022 https://doi.org/10.3390/ijerph192114424

(accessed on 1 February 2022)

Health Risk Assessment of Dermal Exposure to Polycyclic
Aromatic Hydrocarbons from the Use of Infant Diapers [7] IJERPH 2022 https://doi.org/10.3390/ijerph192214760

(accessed on 1 February 2022)

Monochromatic Light Pollution Exacerbates High-Fat
Diet-Induced Adipocytic Hypertrophy in Mice [8] Cells 2022 https://doi.org/10.3390/cells11233808

(accessed on 1 February 2022)

Impact of Paraben Exposure on Adiposity-Related
Measures: An Updated Literature Review of

Population-Based Studies
[9] IJERPH 2022 https://doi.org/10.3390/ijerph192316268

(accessed on 1 February 2022)

Leaching Mechanism and Health Risk Assessment of As
and Sb in Tailings of Typical Antimony Mines: A Case

Study in Yunnan and Guizhou Province, Southwest China
[10] Toxics 2022 https://doi.org/10.3390/toxics10120777

(accessed on 1 February 2022)

Relationship of Fluoride Concentration to Well Depth in
an Alluvial Aquifer in a Semiarid Area [11] Environments 2022

https:
//doi.org/10.3390/environments9120155

(accessed on 1 February 2022)

Reducing Virus Transmission from Heating, Ventilation,
and Air Conditioning Systems of Urban Subways [12] Toxics 2022 https://doi.org/10.3390/toxics10120796

(accessed on 1 February 2022)

Chronic Home Radon Exposure Is Associated with
Higher Inflammatory Biomarker Concentrations in

Children and Adolescents
[13] IJERPH 2023 https://doi.org/10.3390/ijerph20010246

(accessed on 1 February 2022)

Organotin Antifouling Compounds and Sex-Steroid
Nuclear Receptor Perturbation: Some Structural Insights [14] Toxics 2023 https://doi.org/10.3390/toxics11010025

(accessed on 1 February 2022)

Health Risk Assessment for Human Exposure to Heavy
Metals via Food Consumption in Inhabitants of Middle

Basin of the Atrato River in the Colombian Pacific
[15] IJERPH 2023 https://doi.org/10.3390/ijerph20010435

(accessed on 1 February 2022)

Exposure to Polypropylene Microplastics via Oral
Ingestion Induces Colonic Apoptosis and Intestinal

Barrier Damage through Oxidative Stress and
Inflammation in Mice

[16] Toxics 2023 https://doi.org/10.3390/toxics11020127
(accessed on 1 February 2022)

Y-27632 Impairs Angiogenesis on Extra-Embryonic
Vasculature in Post-Gastrulation Chick Embryos [17] Toxics 2023 https://doi.org/10.3390/toxics11020134

(accessed on 1 February 2022)

Downregulation of LncRNA GCLC-1 Promotes
Microcystin-LR-Induced Malignant Transformation of
Human Liver Cells by Regulating GCLC Expression

[18] Toxics 2023 https://doi.org/10.3390/toxics11020162
(accessed on 1 February 2022)

Association of Dietary Nitrate, Nitrite, and N-Nitroso
Compounds Intake and Gastrointestinal Cancers: A

Systematic Review and Meta-Analysis
[19] Toxics 2023 https://doi.org/10.3390/toxics11020190

(accessed on 1 February 2022)

Subchronic Low-Dose Methylmercury Exposure
Accelerated Cerebral Telomere Shortening in Relevant

with Declined Urinary aMT6s Level in Rats
[20] Toxics 2023 https://doi.org/10.3390/toxics11020191

(accessed on 1 February 2022)
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Table 1. Cont.

Title Author Journal Year DOI

Triazine Herbicides Risk Management Strategies on
Environmental and Human Health Aspects Using

In-Silico Methods
[21] IJMS 2023 https://doi.org/10.3390/ijms24065691

(accessed on 1 February 2022)

Development of an Improved Sulfur-Oxidizing
Bacteria-Based Ecotoxicity Test for Simple and Rapid

On-Site Application
[22] Toxics 2023 https://doi.org/10.3390/toxics11040352

(accessed on 1 February 2022)

A Realistic Mixture of Persistent Organic Pollutants
Affects Zebrafish Development, Behavior, and Specifically

Eye Formation by Inhibiting the Condensin I Complex
[23] Toxics 2023 https://doi.org/10.3390/toxics11040357

(accessed on 1 February 2022)

Protective Effects of Selenium Nanoparticles against
Bisphenol A-Induced Toxicity in Porcine Intestinal

Epithelial Cells
[24] IJMS 2023 https://doi.org/10.3390/ijms24087242

(accessed on 1 February 2022)

Drosophila as a Robust Model System for Assessing
Autophagy: A Review [25] Toxics 2023 https://doi.org/10.3390/toxics11080682

(accessed on 1 February 2022)

Uptake of Breathable Nano- and Micro-Sized Polystyrene
Particles: Comparison of Virgin and Oxidised nPS/mPS

in Human Alveolar Cells
[26] Toxics 2023 https://doi.org/10.3390/toxics11080686

(accessed on 1 February 2022)

Environmental Health and Toxicology:
Immunomodulation Promoted by Endocrine-Disrupting

Chemical Tributyltin
[27] Toxics 2023 https://doi.org/10.3390/toxics11080696

(accessed on 1 February 2022)

Toxic Effects and Mechanisms of Polybrominated
Diphenyl Ethers [28] IJMS 2023 https://doi.org/10.3390/ijms241713487

(accessed on 1 February 2022)

Maternal Serum Concentrations of Per- and
Polyfluoroalkyl Substances in Early Pregnancy and Small

for Gestational Age in Southern Sweden
[29] Toxics 2023 https://doi.org/10.3390/toxics11090750

(accessed on 1 February 2022)

Transfer of Bisphenol A and Trace Metals from Plastic
Packaging to Mineral Water in Ouagadougou,

Burkina Faso
[30] IJERPH 2023 https://doi.org/10.3390/ijerph20206908

(accessed on 1 February 2022)

Environmental Endocrinology: Parabens Hazardous
Effects on Hypothalamic–Pituitary–Thyroid Axis [31] IJMS 2023 https://doi.org/10.3390/ijms242015246

(accessed on 1 February 2022)

Mixture Effects of Bisphenol A and Its Structural Analogs
on Estrogen Receptor Transcriptional Activation [32] Toxics 2023 https://doi.org/10.3390/toxics11120986

(accessed on 1 February 2022)

Table 1 schematically illustrates the content of this Topic, with all the contributions
published in the five participating journals.

Author Contributions: Writing, review and editing, E.D. and S.K. All authors have read and agreed
to the published version of the manuscript.

Conflicts of Interest: The authors declare no conflict of interest.
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Abstract: Hand sanitizer use in the United States (U.S.) increased after the SARS-CoV-2 outbreak.
The U.S. Food and Drug Administration (FDA) released temporary manufacturer guidance, changing
impurity level limits for alcohol-based hand sanitizers (ABHSs). Since the guidance took effect, the
FDA has recommended against using these hand sanitizers due to concerns over safety, efficacy,
and/or risk of incidental ingestion. To address current gaps in exposure characterization, this
study describes a survey of ABHSs marketed to children available in the U.S., as defined by several
inclusion criteria. A subset of ABHSs (n = 31) were evaluated for ethanol and organic impurities
using a modified FDA method. Products with detectable impurity levels were compared to the
FDA’s established interim limits. Seven children’s products had impurity levels exceeding the FDA’s
recommended interim limits, including benzene (up to 9.14 ppm), acetaldehyde (up to 134.12 ppm),
and acetal (up to 75.60 ppm). The total measured alcohol content ranged from 52% to 98% in all
hand sanitizers tested, ranging from 39% below, and up to 31% above, the labeled concentration.
Future studies should confirm impurity contamination sources. A risk assessment could determine
whether dermal application or incidental ingestion of impurity-containing hand sanitizers pose any
consumer risk.

Keywords: hand sanitizer; consumer products; children; impurities; ethanol; COVID-19

1. Introduction

In 2019, the emergence of the new coronavirus SARS-CoV-2 resulted in increased sales
and use of alcohol-based hand sanitizer (ABHS) because of concern of virus spread from
contaminated hand surfaces. Increased demand for ABHSs from the general public and
healthcare workers, however, led to difficulties accessing raw materials used in manu-
facturing, such as ethanol [1]. Hand sanitizers are classified as over-the-counter (OTC)
drugs, and companies that manufacture these products are regulated by the U.S. Food and
Drug Administration (FDA) [2]. To alleviate ABHS supply chain issues, the FDA allowed
additional manufacturing entities that were not currently regulated as drug manufacturers
to produce hand sanitizers, as long as the Secretary of Health and Human Services (HHS)
declared a public health emergency [3]. To outline current manufacturing requirements
for hand sanitizer production, the FDA promulgated several guidance documents [2–4]
(Figure 1). These guidance documents provided temporary policies for preparing and
manufacturing ABHS, as well as guidance for testing ethanol for contamination [5].

Per the FDA guidelines, hand sanitizers should be manufactured with no less than 94.9%
by volume (v/v) ethanol or isopropyl alcohol, in addition to glycerin, hydrogen peroxide, and
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sterile water; the final formulation should have at least 80% ethanol (v/v) or 75% isopropyl
alcohol (v/v) in an aqueous solution [3,6]. The FDA temporarily specified that fuel or technical
grade ethanol were deemed acceptable for use in hand sanitizers. Regardless of the source,
however, the ethanol should meet the following guidelines: (a) produced using fermentation
and distillation processes “typically used for consumable goods” and contains no additives or
additional chemicals; (b) meets United States Pharmacopoeia (USP) or Food Chemical Codex
(FCC) grade requirements (including testing for impurities); and (c) screened for additional
impurities not specified by USP and FCC requirements [3] (p. 7) [4,7]. Both the FDA temporary
guidance and the World Health Organization (WHO) guidance state that hand sanitizers
should not contain other active or inactive ingredients, such as additives, gelling agents, or
fragrances to improve the smell or taste of the product, specifically “due to the risk of accidental
ingestion in children” [4,8].

Figure 1. Timeline on Alcohol-Based Hand Sanitizer (ABHS)-Related U.S. Food and Drug Adminis-
tration (FDA) Actions and Policies.

Impurities may potentially be introduced to hand sanitizer formulations through
utilization of ethanol produced from fuel or technical grade ethanol via fermentation and
distillation, or via the manufacturing environment (e.g., equipment and containers) [3].
Technical grade ethanol can be produced from a variety of feedstock, such as corn, sugar
cane, sugar beet, wheat, and barley, and can contain byproducts and impurities that can
potentially produce unpleasant odors or flavors and/or cause adverse human health
effects [9]. Interim limits for specific impurities in ethanol have been provided for several
compounds, and if the concentration of these in ethanol exceeds a sum of 300 ppm, then
they must also meet interim limits for additional impurities [3]. In August 2020, FDA
developed analytical procedures in support of its guidance, providing a methodology for
manufacturers to help assure hand sanitizer products contain accurately labeled ingredients,
and a screen for potentially harmful levels of impurities. The method provides guidance
for detecting the impurities quantitatively or by using a “limit test approach”, in which an
impurity is either greater or less than the corresponding peak [10]. Impurities in alcohol
products, including methanol, acetates, aldehydes, butanols, amyl alcohols, propanols, and
pentanols, are generated during grain fermentation. These compounds can form azeotropes
that are co-distilled with the ethanol fraction, making purifying ethanol difficult [3,11].

Throughout the pandemic, the FDA tested and issued alerts for several hand sanitizer
products from domestic and international manufacturers and identified products with
unacceptable levels of methanol, 1-propanol, benzene, acetaldehyde, and acetal, and
“concerningly low levels of ethyl alcohol or isopropyl alcohol” [12]. As of 10 August 2021,
255 hand sanitizer products were listed on the do-not-use list, the majority of which were
manufactured in Mexico (n = 201) [12]. Other countries with products recalled or listed
were China (n = 22), Guatemala (n = 6), Turkey (n = 3), Poland (n = 3), Korea (n = 1), and the
U.S. (n = 13). Additionally, alerts were issued for hand sanitizers packaged in containers
that resembled food pouches, water bottles, juice bottles, vodka bottles, or beer cans, as well
as those containing food flavors, as these products may lead to incidental hand sanitizer
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ingestion, especially in children [12]. These containers were also labeled with children’s
characters or movie references, including Barbie, Hot Wheels, Paw Patrol, Minions, JoJo
Siwa, and Trolls World Tour [12].

Some hand sanitizers have particular characteristics (e.g., colorful or food-like pack-
aging, cartoon characters, or candy and fruit scents) that may make them more attractive
to children [13]. Children represent a susceptible group who may be at an increased risk
of negative impacts from hand sanitizer impurities. Hand sanitizers are intended to be
applied to hand surfaces; dermal contact with potential impurities is therefore likely the
most common consumer exposure route. Intentional (as a result of substance abuse or
mental health issues) and unintentional (accidental) ingestion of alcohol-based hand san-
itizer in adults and children, however, does occur [14–16]. Increased exposure to hand
sanitizers, including ingestion, was reported in children 12 years old and younger during
the COVID-19 pandemic [2,17].

While inhalation of compounds present in hand sanitizers is possible, inhalation
would not be expected to represent a primary exposure route relative to dermal and
ingestion exposures, based on the National Poison Data System (NPDS) and the FDA
Adverse Event Reporting System (FAERS) database call frequency and type [16,18–20].
Furthermore, between January 2020 and July 2021, the American Association of Poison
Control Centers (AAPCC) [17] received thousands of accidental exposure reports of children
age 12 and younger. Certain impurities may pose acute human health risks at sufficient
doses. Methanol exposure at sufficient levels, for example, may result in metabolic acidosis,
headaches, dizziness, the inability to coordinate muscle movement (ataxia), and, in extreme
cases, blindness, coma, seizures, and death via ingestion or dermal routes [21,22]. Further,
ingesting impurities at certain levels, including benzene, acetal, acetone, ethyl acetate,
2-butanol, isobutanol, 1-butanol, isoamyl alcohol, and amyl alcohol, may result in nausea,
vomiting, diarrhea, staggering gait, drowsiness, central nervous system (CNS) depression,
loss of consciousness, altered mental status, and/or abdominal pain. Dermal exposure to
these same impurities at sufficient levels may result in irritation, redness, burning sensation,
blistering, inflammation, and/or dry skin [22–31]. Additionally, benzene and acetaldehyde
specifically are listed as “carcinogenic to humans” and “possibly carcinogenic to humans”,
respectively, by the International Agency for Research on Cancer (IARC) [32,33]. Whether
the levels potentially present in hand sanitizers and their frequency of use would pose a
risk for cancer to consumers, however, remains unknown.

This study’s primary objectives were to: (a) perform a survey of hand sanitizers mar-
keted to children available for purchase in the U.S. during the COVID-19 global pandemic,
including information on the prevalence of certain inclusion criteria that may increase
attractiveness of these products to children; (b) quantify the alcohol (ethanol) percentage
in the final formulation; and (c) determine if any impurities, such as methanol and other
organic impurities, were present in a selection of hand sanitizers marketed to children
using a modified version of FDA analytical methods.

2. Materials and Methods

2.1. Survey of Hand Sanitizers Marketed to Children

A survey of hand sanitizers marketed to children available for purchase in the U.S.
during the COVID-19 pandemic was performed between January and April 2021. Qualita-
tive data were collected for hand sanitizers marketed to children available for purchase in
‘brick and mortar’ retail stores located in California, Colorado, and Hawaii, or available
online for purchase from retailers’ websites or solely online marketplaces. Store types
targeted for the market survey, either online or in-person, fell into distinct store categories,
including grocery stores, full-line discount stores, pharmacy/drug stores, specialty stores,
and department stores. In some cases, retailers fit into more than one category, having both
‘brick and mortar’ locations and functioning as an online retailer. Store type categories and
definitions are outlined in Table 1.
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Table 1. Store Type Categories and Definitions.

Store Type Definition

Type 1
Brick and mortar Store with physical location that is visited in person

Online retailer Store with ‘online’ presence that is visited from any device with internet access

Type 2

Grocery store Store that sells primarily food for consumption

Full line discount store Store that sells various types of products, including groceries

Pharmacy/drug store Store that sells prescription drugs, OTC drugs, as well as medical supplies and
groceries

Distillery A place or establishment that distills liquor

Specialty store Store that carries a deep assortment of brands, styles, or models within a relatively
narrow category of goods

Department store Retail establishment offering a wide range of consumer goods in different areas of the
store; each area (‘department’) specializes in a product category

Hand sanitizers marketed to children were defined as having one or more of the
following characteristics: (a) labeling or packaging with cartoon characters, children’s
television shows, movies, toy images or references, or other pop-culture references well-
known by children; (b) bright, colorful, or glittery packaging and/or liquid/gel; and/or
(c) scented gel or liquid, especially a food or candy scent. Descriptive information was
collected for each product, including: (a) store of purchase; (b) manufacturer name; (c)
country of manufacture; (d) lot number; (e) active ingredient type and percentage; (f) scent;
and (g) whether the product fit inclusion criteria.

2.2. Quantification of Impurities in a Selection of Hand Sanitizers Marketed to Children

A subset of 31 hand sanitizers marketed to children were purchased from ‘brick and
mortar’ or online retailers and analyzed for methanol and other organic impurities listed
in the FDA guidance (Table 2). One bottle of ABHS from an established and well-known
manufacturer was included as a control comparison, resulting in a total of 32 samples
analyzed for impurities. The control product was colorless, odorless, and did not have
any packaging characteristics (e.g., colorful packaging, scents, etc.) as defined in the
market survey methods. The test products were selected based on the following criteria:
(a) all contained alcohol [either denatured alcohol, unspecified alcohol, or ethanol (ethyl
alcohol)]; and (b) represented a variety of different manufacturers or distributors in order
to characterize the maximum number of entities. Two of each hand sanitizer product were
purchased at the same store, and one set was shipped to the laboratory for analysis. The
other set was retained in case reanalysis was needed.

Table 2. List of FDA Interim Limits and Limits of Detection/Limits of Quantification (LODs/LOQs)
for Impurities Assessed in Hand Sanitizers Marketed to Children.

Chemical Name CAS Number
Interim Limit Listed

in FDA Guidance
(ppm) a,b

LOD/LOQ (μg/g) c

1-Propanol 71-23-8 NMT 1000 68.3

Methanol 67-56-1 NMT 630 67.2

Benzene 71-43-2 NMT 2 3.74

Acetaldehyde 75-07-0 NMT 50 30.0

Acetal 105-57-7 NMT 50 5.30

Acetone 67-64-1 NMT 4400 67.2
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Table 2. Cont.

Chemical Name CAS Number
Interim Limit Listed

in FDA Guidance
(ppm) a,b

LOD/LOQ (μg/g) c

Ethyl Acetate 141-78-6 NMT 2200 76.6

2-Butanol 78-92-2 NMT 6200 68.7

Isobutanol 78-83-1 NMT 21,700 68.3

1-Butanol 71-36-3 NMT 1000 68.9

Isoamyl alcohol 123-51-3 NMT 4100 68.8

Amyl alcohol 71-41-0 NMT 4100 68.9
a NMT = Not more than. b Methanol, benzene, and acetaldehyde have specific individual limits. The sum of all
other impurities should not exceed 300 ppm. If the sum of all other impurities is >300 ppm, then each impurity
in this category must meet the individual limit specified above. c Based on sample volume of 0.1 mL, density
0.850 g/mL.

2.3. Sample Analysis

The FDA developed an analytical method to assess the quality of finished hand sani-
tizer products entitled “Direct Injection Gas Chromatography Mass Spectrometry (GC/MS)
Method for the Detection of Listed Impurities in Hand Sanitizers” in August 2020 [10].
This procedure was intended to evaluate products formulated with either ethanol or iso-
propyl alcohol (also called isopropanol or 2-propanol) as the labeled active ingredient and
12 potential impurities (Table S1). This method was modified to include mass spectrum
matching for each analyte of interest to those contained within the NIST/EPA/NIH Mass
Spectral Library [34]. Each compound of interest was also quantified using a five-point
calibration curve produced by the analysis of analytical standards for each analyte. These
changes greatly improved identifying and quantifying compounds over the proposed
method. Quality Assurance and Quality Control (QA/QC) requirements were also modi-
fied to adhere to Good Laboratory Practices (GLP). GLP regulations are intended to assure
data quality and data integrity. Analytical equipment, procedures, QA/QC, and reporting
requirements are listed below.

All samples were analyzed on an Agilent 5975C, Quadrupole GC/MS equipped with
an Agilent 7890A Gas Chromatography and Gerstel MultiPurpose MPS2 AutoSampler
with an Agilent DB-624 Capillary GC Column, 30 m × 0.25 mm × 1.4 μm. The reference
standards (purity, >95%) were purchased from Sigma Aldrich, St. Louis, MI, USA, and
the diluent acetonitrile was LCMS/HPLC grade, 99.9% (purchased from J.T. Baker in
Phillipsburg, NJ, USA). To determine the hand sanitizer sample’s density, a 200 μL sample
was weighed with an analytical balance to the nearest tenth of a milligram (±0.1 mg).
Reporting units were g mL−1. To measure ethanol content, samples were prepared by
transferring 100 μL via a micropipette to a 10 mL volumetric flask containing approximately
8 mL of acetonitrile. Samples were diluted to volume with acetonitrile and mixed. Next,
100 μL of the acetonitrile mixture was transferred to a 2 mL GC vial containing 1 mL of
the internal standard (400 ng, toluene) in acetonitrile. To measure impurities, each sample
was prepared by transferring 100 μL via a micropipette to a 2 mL GC vial containing
1 mL of the internal standard (400 ng, toluene) in acetonitrile. Peak assignment for each
analyte is based on matching the chromatographic retention time to the reference standard
(Figure S1). Peak identification is determined by mass spectral matching to the reference
mass spectrum contained in NIST’s 2011 library (NIST 2021). To quantify active ingredients
and impurities, a five-point calibration curve (R2 > 0.985) was used at concentrations
bracketing the compound of interest. The curves for each compound were produced by
plotting the area of each Quantitation Ion (Table S1) for the internal standard (400 ng,
toluene) and reference standards. Reporting units were μg mL−1 (ppm), μg g−1 (ppm), and
% by weight. Quantitation software (MSD ChemStation E.02.00.493, Agilent Technologies,
Inc., Santa Clara, CA, USA) was used to determine the LOQ for each compound. The limit
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of quantification (LOQ) for each impurity is shown in Table 2. The hand sanitizer active
ingredients and impurities, chromatogram peak assignments, LOQ, and calibration range
are summarized in Table S2.

A blank and a duplicate sample were analyzed with each batch of 20 or fewer hand
sanitizer samples. For samples that were measured at concentrations above the FDA interim
limit, a duplicate analysis was performed to verify the results. Additionally, some products
were chosen at random and a duplicate analysis was performed as an additional QC step. A
total of 12 samples were tested in duplicate to confirm impurity concentrations and alcohol
content. The target relative % deference (RPD) for the duplicate analysis was <30%.

2.4. Data Analysis

Contaminant concentrations reported as non-detect (ND) during sample analysis were
calculated as one half the reported LOQ (i.e., LOQ/2) when graphing data and comparing
concentrations to FDA interim limits.

Statistical analyses were conducted using SigmaPlot (SPW 14.0; Systat Software, Inc.,
San Jose, CA, USA). Briefly, normality was tested using Shapiro–Wilk test. For data
that were normally distributed (parametric), Student’s t-test (two groups) or One-Way
ANOVA (three groups) were used to deduce statistical differences. For data that were
not normally distributed (non-parametric), Mann–Whitney Rank Sum test (two groups)
or Kruskal–Wallis or One-Way ANOVA on Ranks (three groups) were used to deduce
statistical differences. Additionally, paired t-test (parametric) or Wilcoxon Signed Rank test
(non-parametric) were used to assess statistical differences between original testing and
upon repeated testing (or duplicate). Specifically, statistical differences between impurity
concentrations in U.S. and non-U.S. hand sanitizers, gel and liquid products, active ingredi-
ent type (ethyl alcohol, denatured alcohol, or ’unspecified alcohol’), scented or non-scented
products, as well as between colored and non-colored hand sanitizers were examined
(Figures S2–S7). In all cases, p-value < 0.05 was considered significant. The statistical tests
for all comparisons are provided in Table S2.

3. Results

3.1. Survey of Hand Sanitizers Marketed to Children Available during the COVID-19 Pandemic

A total of 139 hand sanitizers potentially marketed to children were identified in
the survey, 74 of which were available from brick and mortar stores, and 65 of which
were available from online retailers. The majority of these products (n = 120, 87%) were
available in full line discount stores and grocery stores. The hand sanitizers marketed to
children were manufactured in the U.S. (n = 51, 37%), China (n = 85, 61%), Turkey (n = 1,
0.72%), or South Korea (n = 2, 1.44%). The hand sanitizers contained a variety of active
ingredients, including ethyl alcohol (ethanol), ‘denatured alcohol’, ‘unspecified alcohol’,
chloroxylenol, or benzalkonium chloride. Ethyl alcohol was the most common active
ingredient, accounting for 64% (n = 89), and the labeled percentage of active ingredient
ranged between 62 to 80%. Gel was the most common hand sanitizer type, accounting for
78% (n = 108) of the products, and the remainder were spray (n = 19), liquid (n = 8), or foam
(n = 4). Almost half the hand sanitizers (n = 68, 49%) had labeling or packaging featuring
cartoon characters, children’s television shows, movies, toy references, or other well-known
pop-culture references that children would likely recognize (e.g., Disney characters). Most
of the products (n = 105, 75%) were scented, and the rest were unscented (n = 33, 25%). Over
50 different scents were identified (e.g., Berry; Bubble Gum; and Strawberry Pound Cake).
Three of the samples had packaging reminiscent of food packaging, such as a baby food
type pouch with a screw top or honey bear shaped bottle. Several of the hand sanitizers had
explicit instructions on the label regarding their use on or by children. These instructions
read: (a) “Not for children under 3 years. If swallowed, get medical help or contact a
Poison Control Center right away”; (b) “Keep out of reach of children”; or (c) “For children
under 8, use under adult supervision”.
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3.2. Selection of Hand Sanitizers Marketed to Children Purchased for Impurity Analysis and
Ethanol Content

Table 3 provides a summary of the subset of hand sanitizers marketed to children
sampled (n = 31), including information such as an assigned manufacturer unique identifier,
active ingredient type and percentage, scent, color, and packaging information. The
products selected for chemical analysis had similar attributes as those noted for all surveyed
hand sanitizers. All the products analyzed in this study had at least one of the inclusion
criteria that made the product potentially attractive to children, such as overt children’s
packaging with cartoon characters, food or candy scents, and/or colored gel.

The key attributes of the hand sanitizer subset selected for sampling are summarized in
Figure 2. The selected hand sanitizers were manufactured in China (n = 25, 83%), U.S. (n = 4,
13%), or South Korea (n = 2, 6%), and represented 21 separate manufacturers. The products
were labeled as containing at least one of these active ingredients: (1) ethyl alcohol (n = 20,
65%); (2) denatured alcohol (n = 8, 26%); or (3) unspecified alcohol (n = 3, 9%). Denatured
alcohol and alcohol, however, are other names for ethyl alcohol. The percentage of labeled
active ingredient ranged from 62 to 80%. The products were purchased at a wide variety of
store types and locations, including at full line discount stores (n = 18), department stores
(n = 2), grocery stores (n = 3), an online marketplace (n = 2), pharmacies/drug stores (n = 2),
or specialty stores (n = 4). The majority of the products were in gel form (n = 28, 90%). The
products tested primarily had a fruit scent or fruit in combination with another scent (e.g.,
cosmic cherry; vanilla bean + coconut + sugared musk) (n= 15, 48%), followed by a dessert
or candy scent (e.g., cotton candy; creamy cappuccino) (n = 5, 16%), and the remaining
samples had floral or herbal scents, or were labeled as unscented or unspecified (n = 11,
35%). Most products had a colored gel or liquid (n = 20, 64%). Only three of the products
had no discernable packaging that would appeal to children specifically, whereas the rest
of the products had cartoon characters or children’s TV characters on the packaging or
holders attached to the bottles themselves, food or candy images, or was a well-known
children’s brand.

Figure 2. Key attributes of Hand Sanitizers Marketed to Children Selected for Testing.
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3.3. Impurities and Ethanol Content Measured in a Selection of Hand Sanitizers Marketed
to Children

Table 4 lists the concentrations of organic impurities and percentage of active ingredi-
ents (%) in the children’s hand sanitizer analyzed in this study. No impurities were detected
above LOQ for the control sample. Several compounds, such as 1-butanol, 1-pentanol,
2-butanol, acetone, and isoamyl alcohol, were not detected at levels above the LOQ in
all children’s samples tested. The remaining impurities were measured in some of the
products at the following concentrations: 1-propanol (n = 4, BLOQ-651 μg/g); acetal (n = 13,
BLOQ-76 μg/g); acetaldehyde (n = 4, BLOQ-134 μg/g); benzene (n = 3, BLOQ-9.14 μg/g);
ethyl acetate (n = 2, BLOQ-363 μg/g); and methanol (n = 9, BLOQ-400 μg/g). Of all
the impurities tested, the most commonly measured were acetal (42% of samples) and
methanol (29% of samples). Of the 31 children’s hand sanitizers, seven had concentrations
of impurities above the FDA interim limits. Specifically, four bottles (CCR-11, CCR-47,
CCR-59, and CCR-129) had levels of acetal higher than the FDA interim limit of 50 ppm
(μg/g). With respect to benzene, all three bottles (CCR-5, CCR-129, CCR-153) containing
measured concentrations were in exceedance of the FDA interim limit of 2 ppm (μg/g).
Further, three bottles (CCR-11, CCR-41, CCR-59) had levels of acetaldehyde higher than
the FDA interim limit of 50 ppm (μg/g). Figure 3 details a comparison between impurity
concentrations measured in hand sanitizers and FDA interim limits.

Figure 3. Impurity concentrations (expressed as percent difference relative to FDA specifications).
Duplicate samples noted with † (expressed as percent difference relative to FDA specifications). Cells
denoted with asterisks (*) refer to instances when impurity concentrations were equivalent to one
half LOQ.
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To better understand differences between impurity concentrations measured in the
children’s products and various characteristics, several statistical comparisons were made
for U.S. and non-U.S. products, clear and non-clear liquid, and original and duplicate
samples (Figures S2–S7). Samples collected from hand sanitizers manufactured in the U.S.
had higher 1-propanol and isobutanol concentrations when compared to non-U.S. brand
hand sanitizers. Additionally, acetal and methanol concentrations were higher for non-
U.S. brands when compared to U.S. brands. However, no impurity concentrations were
significantly different when comparing U.S. to non-U.S, except for methanol, which was
detected in concentrations significantly higher in non-U.S. manufactured hand sanitizers.
Further, samples collected from hand sanitizers with non-colored liquid reported higher 1-
propanol, isobutanol, and methanol concentrations when compared to hand sanitizers with
colored liquid. Additionally, acetal, benzene, and ethyl acetate concentrations were higher
for colored liquid hand sanitizers compared to non-colored hand sanitizers. All impurity
concentrations, however, were not significantly different when comparing non-colored and
colored hand sanitizer liquid. With the exception of methanol, all impurities measured
were not statistically different between duplicate samples. For sample CCR-120, methanol
had significantly higher concentrations in the duplicate compared to the original dataset.
No statistically significant differences in other analyte concentrations were seen in any of
the 12 hand sanitizer bottles that were tested in duplicate (Figure S7).

3.4. Ethanol Content Measured in a Selection of Hand Sanitizers Marketed to Children

The measured alcohol content ranged from 52% to 98% in all tested hand sanitizers
marketed to children. The alcohol percentage reported on the bottle labels, however, ranged
from 62% to 80%. Figure S8 shows a comparison between labeled and measured alcohol
concentrations for each product. Overall, when comparing the measured and labeled
alcohol ranges, the measured concentrations in the bottles ranged from 31% lower than
the labeled concentration to up to 28% higher than the labeled concentration, depending
on the product. Almost one third (n = 10) of the bottles tested had alcohol concentrations
lower than the required 60% needed for germicidal properties, as recommended by FDA
and CDC [3,22].

4. Discussion

The survey identified numerous products potentially attractive to children available
for purchase in the U.S. The majority of the products contained fragrances and coloring
additives that might increase their appeal, despite FDA recommending against these
additives because of exposure risk in children. Further, we found that products continued
to be packaged in containers resembling food or drink containers, despite FDA alerts
to similar products because of their possible accidental ingestion risk by children [12].
Hence, understanding the possible health risks associated with incidental ingestion and
dermal absorption – especially by children – of hand sanitizer impurities is needed not
only to effectively characterize potential future health risks, but also to help successfully
manage them. Tse et al. (2021) reported that, based on the toxicology of common impurities
found in technical-grade ethanol, the majority pose a low risk during normal use [35].
However, acetaldehyde and benzene, in particular, may pose a risk especially to susceptible
populations like children, and potential risk from exposure to several impurities is still
uncertain. Further, certain formulation additives (such as water or gelling agents) may
increase the risk of dermal exposure and should be studied further [35]. In a concurrent
study by Kozal et al. presented at the Society of Toxicology (SOT), a screening level risk
assessment was performed to estimate systemic exposure doses (SEDs) that may result
from repeated dermal exposure, as well as incidental ingestion of hand sanitizers, and were
compared to health-based guidance values and toxicity thresholds [36].

Numerous product recalls and alerts were issued by FDA during the COVID-19
pandemic due to methanol contamination. The full list of recalled products and associated
warning letters detailing the methanol concentrations are available on FDA website [12]. As
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an example, methanol concentrations in hand sanitizers manufactured by 4E Global SAPI
de CV were reported to range from 65% to 74% methanol v/v [37]. Although several alerts
were reported for contamination with benzene, acetaldehyde, or acetal, detailed warning
letters specifying concentrations of these contaminants were not available on FDA website.
In one alert, a product was found to contain 6 ppm benzene [38]. Therefore, it is unclear if
the concentrations reported in our study are similar to the concentrations found by FDA,
as this information is not publicly available. One of the products (CCR-129) with levels of
acetal that exceeded FDA interim limits was listed on the ‘FDA’s Do-Not-Use List’ in April
2022 due to the product being manufactured “at the same facility that produced benzene
contaminated product” [12]. Additionally, numerous products from the same distributor
as several products tested in this study were also included on the FDA list because they
were manufactured at the same facilities in which a product was found to have methanol
and benzene contamination. Another product tested in this study was recommended for
recall, and was added to an import alert in March 2022.

Several other studies have reported impurity concentrations measured in ABHSs. In
an unpublished study, 260 unique batches of hand sanitizer were analyzed and 44 batches
(17%) contained benzene at 0.1 ppm or above, while 21 batches (8%) contained benzene at
2 ppm or above [39]. The highest benzene concentration detected was 16.1 ppm, over eight
times the FDA interim limit of 2 ppm [39]. Of the 21 batches that contained >2 ppm benzene,
one batch reported 8680 ppm methanol and 147 ppm acetaldehyde, which are fourteen
and three times the FDA interim limit, respectively. Another batch contained 709 ppm
methanol [39]. In another study, 42 liquid and gel hand sanitizers were analyzed for nine
different impurities, and 11 of the samples were non-compliant with interim Health Canada
guidelines [11]. The authors noted that these samples primarily contained acetaldehyde
at levels above the Canadian interim guidance of NMT 75 ppm total acetaldehyde and
acetal [40]. In a study conducted in the U.S., 51 samples from bulk refillable hand sanitizer
dispensers at community settings, such as restaurants, malls, and fitness centers, across
the U.S., and 40 samples from a single school district in South Carolina were analyzed
for methanol, benzene, acetaldehyde, and acetal [41]. Only one sample from the school
district was positive for acetal (511 ppm) at levels above the FDA interim limit, while
35.29% (18/51), 33.33% (17/51), and 5.88% (3/51) of the community-acquired samples
had acetal, acetaldehyde, and methanol concentrations, respectively, above the FDA’s
interim limits. Benzene was not detected in any of the 91 samples [41]. Further, in a study
conducted in Malaysia, of the 121 samples purchased from retail locations, 7.4% contained
methanol above the LOD of 4.4% (v/v), while 18.8% of the 265 samples collected from
freely deployed public dispensers contained methanol above the LOD [42]. A recent study
by Pal et al. (2022) tested 200 hand sanitizers for concentrations of benzene, toluene, and
styrene [43]. Similar to our study, the authors found that a selection of products (n = 10)
exceeded FDA interim limits for benzene (>2 ppm). It was also noted that products also
contained toluene (25%) and styrene (32%); however, these compounds have no FDA limits.
Similar to our study, the hand sanitizers purchased were primarily manufactured in the
U.S. or China; however, they also identified additional countries (such as India, Mexico,
and United Arab Emirates) that were not represented in our study. Therefore, it is possible
that there are additional impurities present in hand sanitizers that were not quantified in
our study, but their presence may differ based on the country of manufacture. Further, the
authors performed an exposure assessment and determined that the benzene exposures
would “increase the EPA’s benchmark for the de minimus cancer risk” in children, teenagers,
and adults [43].

Certain ABHSs identified in this study may possibly be less effective at preventing
SARS-CoV-2 transmission from hand surfaces due to lower ethanol content than current
regulatory standards; however, more information would be needed to verify that hypothe-
sis. Some studies have reported on ethanol content in hand sanitizer products. For example,
Tse et al. (2021) [11] reported ethanol concentrations between 63% and 90% v/v, with one
sample having ethanol content below 60%. Another study reported ethanol concentrations
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between 16.21% and 87.33% v/v, with a total of 33.62% of the samples collected (39/116)
containing under 60% ethanol [41].

The current study was not without limitations. One limitation included the GC/MS
analysis sensitivity for detecting benzene. The GC/MS analytical method utilized in this
study resulted in an LOQ of 0.44 μg/mL for benzene. The determined LOQ met the FDA’s
concentration ranges reported in its published method entitled “Direct Injection Gas Chro-
matography Mass Spectrometry (GC/MS) Method for the Detection of Listed Impurities
in Hand Sanitizers” (0.044–2.19 μg/mL). In terms of sensitivity, however, the determined
LOQ was one order of magnitude larger than the lowest range that FDA reported. Overall,
the determined LOQ met method specifications; however, when converting two reported
benzene non-detects from one hand sanitizer marketed to children (CCR-120 and CCR-120
duplicate) utilizing the measured sample density (0.9145 g/mL) to a μg/g value in order to
compare to the FDA interim limit, the calculated concentration appeared to be above the
FDA interim limit. All other benzene non-detects, when converted to μg/g utilizing hand
sanitizer densities measured between 0.8345–0.8865 g/mL, were below the FDA interim
limit. An additional study limitation was that our dataset provides impurity levels in the
final formulation, which contain other ingredients such as fragrances, dyes, water, and
other compounds, and not in the raw ethanol. The concentrations therefore may be higher
in the raw ethanol than reported in this study, and additional exceedances cannot be ruled
out. Further, the impurities possibly could have come from ingredients other than the
raw ethanol.

5. Conclusions

Given increased ABHS consumer use during the COVID-19 pandemic and the poten-
tial ingestion risk by children, characterization of the availability of ABHSs that may be
attractive to children proved vital. Further, due to increased reports of incidental ingestion
and potential contamination of these products with impurities and ineffective ethanol
levels, identification and quantification of potential health hazards to the public, especially
to children, who represent a unique at-risk population, was performed.

As this study shows, numerous ABHSs with labeling or packaging characteristics that
may increase their attractiveness to children are available for purchase in the U.S. Some
products were packaged in containers resembling food, which is concerning because of the
possibility of accidental ingestion. In our impurity analysis of a subset of available ABHSs
marketed to children, the majority of the products did contain measurable concentrations
of one or more organic impurities at levels above the respective LOQs. However, only
some of the products exceeded FDA interim limits for several organic impurities, such as
acetaldehyde, benzene, and acetal. All products were analyzed in their final formulation;
however, the FDA interim limits were developed to address the acceptable impurity
levels in the raw ethanol used to manufacture these products. Whether the impurity
levels seen in this study would be higher in the raw ethanol remains unclear. While we
observed exceedances, it is unclear if the impurities are present at concentrations that would
possibly pose a health risk to consumers—especially children—should dermal absorption
or accidental ingestion occur. Given the potential for exposure to children, however, and
the reported accidental poisoning increase in children following the start of the COVID-19
pandemic, this issue is concerning, and should be further evaluated.

Future studies on the potential source(s) of these impurities in ethanol and/or other
ingredients used in hand sanitizer products are thus needed. Understanding if potential
contamination was a direct result of new manufacturers and improper manufacturing
procedures during the COVID-19 pandemic would be helpful, as would knowing if the
presence of such impurities will linger even after the FDA interim limits are no longer
applicable and the ethanol shortage has diminished. Additional assessments should be
made to determine whether the criteria examined in this study, such as packaging, gel
coloring, and scent, encourage ABHS attraction, use, and potential ingestion. We can
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reasonably assume that future events may once again increase ABHS demand, and result
in supply shortages.
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U.S. and non-U.S. manufactured products; Figure S3: Impurity concentrations in gel and liquid
products; Figure S4: Impurity concentrations in products by type of active ingredient; Figure S5:
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in non-colored and colored products; Figure S7: Impurity concentrations in original and duplicate
samples; Figure S8: Labeled vs. measured alcohol concentrations in hand sanitizers marketed to
children (expressed as a ratio fraction).

Author Contributions: Conceptualization, L.E.G., E.J.d.G., N.R.B., J.K., M.V., R.Z., S.D. and S.G.;
Formal Analysis, L.E.G., E.J.d.G., A.M. and N.R.B.; Investigation, L.E.G., E.J.d.G., N.R.B., A.M.,
J.K. and K.G.S.; Methodology, L.E.G., E.J.d.G., J.K., N.R.B., M.J.L., M.V., R.Z., S.D. and S.G.; Project
Administration, L.E.G.; Resources, M.J.L., Visualization, L.E.G., E.J.d.G., N.R.B., A.M. and M.J.L.;
Writing—Original Draft Preparation, L.E.G., E.J.d.G., N.R.B., A.M. and K.G.S.; Writing—Review and
Editing, L.E.G., E.J.d.G., N.R.B., A.M., K.G.S., J.K., M.J.L., R.Z., M.V., S.D. and S.G. All authors have
read and agreed to the published version of the manuscript.

Funding: This research received no external funding.

Institutional Review Board Statement: Not applicable.

Informed Consent Statement: Not applicable.

Data Availability Statement: Not applicable.

Acknowledgments: The authors would like to thank Carrie Kahn (Stantec’s ChemRisk group) for
providing assistance with gathering literature, and copy editing of the manuscript.

Conflicts of Interest: Ten of the authors [L.E.G., E.J.d.G., N.R.B., K.G.S., A.M., J.K., M.V., R.Z., S.D.
and S.G.] are currently or were formerly employed by ChemRisk (Stantec), a consulting firm that
provides scientific advice to the government, corporations, law firms, and various scientific and
professional organizations. One of the authors [M.J.L.] is a marine scientist senior at the Virginia
Institute of Marine Science at the College of William and Mary. One of the authors [M.V.] has provided
consulting services for a manufacturer of hand sanitizers. Neither M.V. nor any other authors have
received any funding from hand sanitizer manufacturers in support of this manuscript.

References

1. RFA. Essential Energy: 2021 Ethanol Industry Outlook. 2021. Available online: https://d35t1syewk4d42.cloudfront.net/file/314/
RFA_Outlook_2021_fin_low.pdf (accessed on 1 May 2021).

2. FDA. Q&A for Consumers: Hand Sanitizers and COVID-19. Content Current as of 17 May 2022. Available online: https:
//www.fda.gov/drugs/information-drug-class/qa-consumers-hand-sanitizers-and-covid-19 (accessed on 29 July 2022).

3. FDA. Temporary Policy for Preparation of Certain Alcohol-Based Hand Sanitizer Products During the Public Health Emergency
(COVID-19): Guidance for Industry. March 2020. Available online: https://collections.nlm.nih.gov/catalog/nlm:nlmuid-991822
7352906676-pdf (accessed on 10 February 2021).

4. FDA. Temporary Policy for Manufacture of Alcohol for Incorporation into Alcohol-Based Hand Sanitizer Products during the
Public Health Emergency (COVID-19): Guidance for Industry. March 2020. Available online: https://www.regulations.gov/
document/FDA-2020-D-1106-0038 (accessed on 10 February 2021).

5. FDA. Policy for Testing of Alcohol (Ethanol) and Isopropyl Alcohol for Methanol, Including during the Public Health Emergency
(COVID-19): Guidance for Industry. January 2021. Available online: https://www.fda.gov/regulatory-information/search-fda-
guidance-documents/policy-testing-alcohol-ethanol-and-isopropyl-alcohol-methanol-including-during-public-health (accessed
on 22 September 2022).

6. FDA. Policy for Temporary Compounding of Certain Alcohol-Based Hand Sanitizer Products during the Public Health and
Human Services Food and Drug Administration Center of Drug Evaluation and Research (CDER). March 2020. Available online:
https://doh.sd.gov/boards/pharmacy/assets/Temporary-Policy-Compounding-Hand-Sanitizer-Guidance.pdf (accessed on
7 August 2020).

22



Int. J. Environ. Res. Public Health 2022, 19, 14424

7. FDA. Hand Sanitizers: COVID-19. Content Current as of 10 January 2022. Available online: https://www.fda.gov/drugs/
coronavirus-covid-19-drugs/hand-sanitizers-covid-19 (accessed on 29 July 2022).

8. WHO. Guide to Local Production: WHO-Recommended Handrub Formulations. Available online: https://www.who.int/
publications/i/item/WHO-IER-PSP-2010.5 (accessed on 1 April 2010).

9. Onuki, S.; Koziel, J.A.; Jenks, W.S.; Cai, L.; Grewell, D.; van Leeuwen, J.H. Taking ethanol quality beyond fuel grade: A review. J.
Inst. Brew. 2016, 122, 588–598. [CrossRef]

10. FDA. Direct Injection Gas Chromatography Mass Spectrometry (GC-MS) Method for the Detection of Listed Impurities in Hand
Sanitizers. 24 August 2020. Available online: https://www.fda.gov/media/141501/download (accessed on 29 July 2022).

11. Tse, T.J.; Nelson, F.B.; Reaney, M.J.T. Analyses of commercially available alcohol-based hand rubs formulated with compliant and
non-compliant ethanol. Int J. Environ. Res. Pub. Health 2021, 18, 3766. [CrossRef] [PubMed]

12. FDA. FDA Updates on Hand Sanitizers Consumers Should Use. Content Current as of 27 July 2022. Available online: https:
//www.fda.gov/drugs/drug-safety-and-availability/fda-updates-hand-sanitizers-consumers-should-not-use (accessed on
29 July 2022).

13. FDA. Safely Using Hand Sanitizer 3 November 2021. Available online: https://www.fda.gov/consumers/consumer-updates/
safely-using-hand-sanitizer (accessed on 29 July 2022).

14. Gormley, N.J.; Bronstein, A.C.; Rasimas, J.J.; Pao, M.; Wratney, A.T.; Sun, J.; Austin, H.A.; Suffredini, A.F. The rising incidence of
intentional ingestion of ethanol-containing hand sanitizers. Crit. Care Med. 2012, 40, 290–294. [CrossRef] [PubMed]

15. Mahmood, A.; Eqan, M.; Pervez, S.; Alghamdi, H.A.; Tabinda, A.B.; Yasar, A.; Brindhadevi, K.; Pugazhendhi, A. COVID-19
and frequent use of hand sanitizers; human health and environmental hazards by exposure pathways. Sci. Total Environ. 2020,
742, 140561. [CrossRef] [PubMed]

16. Santos, C.; Kieszak, S.; Wang, A.; Law, R.; Schier, J.; Wolkin, A. Reported adverse health effects in children from ingestion of
alcohol-based hand sanitizers-United States, 2011–2014. MMWR 2017, 66, 223–226. [CrossRef] [PubMed]

17. AAPCC. Hand Sanitizer. Available online: https://aapcc.org/track/hand-sanitizer (accessed on 29 January 2022).
18. Arndt, T.; Schrofel, S.; Gussregen, B.; Stemmerich, K. Inhalation but not transdermal resorption of hand sanitizer ethanol causes

positive ethyl glucuronide findings in urine. Sci. Int. 2014, 237, 126–130. [CrossRef] [PubMed]
19. Brewer, C.; Streel, E. Is alcohol in hand sanitizers absorbed through the skin or lungs? Implications for disulfiram treatment.

Alcohol Alcohol. 2020, 55, 354–356. [CrossRef] [PubMed]
20. FDA. FDA Drug Safety Communication. 16 June 2021. Available online: https://www.fda.gov/media/150127/download

(accessed on 29 July 2022).
21. Chan, A.P.L.; Chan, T.Y.K. Methanol as an unlisted ingredient in supposedly alcohol-based hand rub can pose serious health risk.

Int. J. Environ. Res. Public Health 2018, 15, 1440. [CrossRef] [PubMed]
22. NIOSH. Emergency Response Safety and Health Database: Methanol: Systemic Agent. CAS No.: 67-56-1. Page Last Reviewed

12 May 2011. Available online: https://www.cdc.gov/niosh/ershdb/emergencyresponsecard_29750029.html (accessed on
22 July 2022).

23. ILO. Acetal. CAS No.: 105-57-7. International Chemical Safety Card (ICSC) 1070. November 2003. Available online: https:
//inchem.org/documents/icsc/icsc/eics1070.htm (accessed on 20 July 2022).

24. ILO. Acetaldehyde. CAS No.: 75-07-0. International Chemical Safety Card (ICSC) 0009. November 2003. Available online:
https://inchem.org/documents/icsc/icsc/eics0009.htm (accessed on 20 July 2022).

25. ILO. Isobutanol. CAS No.: 78-83-1. International Chemical Safety Card (ICSC) 0113. April 2005. Available online: https:
//www.ilo.org/dyn/icsc/showcard.display?p_lang=en&p_card_id=0113&p_version=2 (accessed on 20 July 2022).

26. ILO. 1-Butanol. CAS No.: 71-36-3. International Chemical Safety Card (ICSC) 0111. April 2005. Available online: https:
//www.ilo.org/dyn/icsc/showcard.display?p_lang=en&p_card_id=0111&p_version=2 (accessed on 20 July 2022).

27. ILO. Acetone. CAS No: 67-64-1. International Chemical Safety Card (ICSC) 0087. April 2009. Available online: https://inchem.
org/documents/icsc/icsc/eics0087.htm (accessed on 20 July 2022).

28. ILO. 1-Pentanol. CAS No.: 71-41-0. International Chemical Safety Card (ICSC) 0535. April 2009. Available online: https:
//www.ilo.org/dyn/icsc/showcard.display?p_lang=en&p_card_id=0535&p_version=2 (accessed on 20 July 2022).

29. ILO. Ethyl Acetate. CAS No.: 141-78-6. International Chemical Safety Card (ICSC) 0367. April 2014. Available online:
https://inchem.org/documents/icsc/icsc/eics0367.htm (accessed on 20 July 2022).

30. ILO. Isoamyl Alcohol. CAS No.: 123-51-3. International Chemical Safety Card (ICSC) 0798. June 2015. Available online:
https://www.ilo.org/dyn/icsc/showcard.display?p_lang=en&p_card_id=0798&p_version=2 (accessed on 20 July 2022).

31. ILO. 2-Butanol. CAS No.: 78-92-2. International Chemical Safety Card (ICSC) 0112. May 2018. Available online: https:
//www.ilo.org/dyn/icsc/showcard.display?p_lang=en&p_card_id=0112&p_version=2 (accessed on 20 July 2022).

32. IARC. International Agency for Research on Cancer (IARC)-Summaries & Evaluations: Acetaldehyde (Group 2B). CAS No.:
75-07-0. Section 5: Summary of Data Reported and Evaluation. Last Updated 12 April 1999. Available online: https://inchem.
org/documents/iarc/vol71/005-acetaldehyde.html (accessed on 22 July 2022).

33. IARC. IARC Monographs on the Evaluation of Carcinogenic Risks to Humans, Vol. 120: Benzene; International Agency for Research on
Cancer (IARC); World Health Organization (WHO): Lyon, France, 2018.

34. Bedner, M.; Murray, J.A.; Urbas, A.A.; MacCrehan, W.A.; Wilson, W.B. A Comparison of Measurement Methods for Alcohol-Based
Hand Sanitizers; National Institute of Standards and Technology: Gaithersburg, MD, USA, 2021; pp. 1–56. [CrossRef]

23



Int. J. Environ. Res. Public Health 2022, 19, 14424

35. Tse, T.J.; Purdy, S.K.; Shen, J.; Nelson, F.B.; Mustafa, R.; Wiens, D.J.; Reaney, M.J.T. Toxicology of alcohol-based hand rubs
formulated with technical-grade ethanol. Toxicol. Rep. 2021, 8, 785–792. [CrossRef] [PubMed]

36. Kozal, J.S.; Vincent, M.J.; Gloekler, L.E.; de Gandiaga, E.J.; Massarsky, A.; Zisook, R.E.; Binczewski, N.R.; Gibbs, K.E.; Gaffney, S.H.;
Dotson, G.S. Risk Assessment of Organic Impurities Detected in Hand Sanitizers Marketed to Children during the COVID-19
Pandemic. In Proceedings of the Society of Toxicology 61st Annual Meeting & ToxExpo, San Diego, CA, USA, 27–31 March 2022.
Abstract no. 3341.

37. FDA. Warning Letter 320-21-04 to J. Gonzalez Olvera, General Director, 4E Global, S.A.P.I. de C.V. MARCS-CMS 608940.
23 October 2020. Current as of 3 November 2020. Available online: https://www.fda.gov/inspections-compliance-enforcement-
and-criminal-investigations/warning-letters/4e-global-sapi-de-cv-608940-10232020 (accessed on 2 August 2022).

38. FDA. Warning Letter 320-22-16 to M.S. Eun, President, Mirfeel Korea Co., Ltd. MARCS-CMS 627401. 22 June 2022. Current as
of 28 June 2022. Available online: https://www.fda.gov/inspections-compliance-enforcement-and-criminal-investigations/
warning-letters/mirfeel-korea-co-ltd-627401-06222022 (accessed on 2 August 2022).

39. Light, D.; Kucera, K.; Wu, Q. Letter to FDA Re: Valisure Citizen Petition on Hand Sanitizer Products Containing Benzene
Contamination and Other Significant Issues. 24 March 2021. Available online: https://assets-global.website-files.com/62150527
33f8bb8fea016220/626fee4c78a2e4769ba2b7fe_FDA-2021-P-0338-0001_attachment_1.pdf (accessed on 28 March 2021).

40. Health Canada. Public Advisory: Recall of Certain Hand Sanitizers That May Pose Health Risks (Part 1—17 June 2020 to 24
March 2021). 20 May 2021. Available online: https://recalls-rappels.canada.ca/en/alert-recall/recall-certain-hand-sanitizers-
may-pose-health-risks-part-1-june-17-2020-march-24-2021 (accessed on 29 July 2022).

41. Manuel, C.S.; Yeomans, D.J.; Williams, J.A.; Fricker, C.; Kucera, K.; Light, D.; Arbogast, J.W. Presence of unsafe chemical impurities,
accelerated evaporation of alcohol, and lack of key labeling requirements are risks and concerns for some alcohol-based hand
sanitizers and dispenser practices during the COVID-19 pandemic. PLoS ONE 2022, 17, e0265519. [CrossRef] [PubMed]

42. Ng, J.K.; Tay, F.H.; Wray, P.S.; Mohd Saberi, S.S.; Ken Ting, K.K.; Khor, S.M.; Chan, K.L.A. Inexpensive Portable Infrared Device to
Detect and Quantify Alcohols in Hand Sanitizers for Public Health and Safety. Anal. Chem. 2021, 93, 15015–15023. [CrossRef]
[PubMed]

43. Pal, V.K.; Lee, S.; Naidu, M.; Lee, C.; Kannan, K. Occurrence of and dermal exposure to benzene, toluene and styrene found in
hand sanitizers from the United States. Environ. Int. 2022, 167, 107449. [CrossRef] [PubMed]

24



Citation: Bernard, A.; Dudler, V.

Health Risk Assessment of Dermal

Exposure to Polycyclic Aromatic

Hydrocarbons from the Use of Infant

Diapers. Int. J. Environ. Res. Public

Health 2022, 19, 14760. https://

doi.org/10.3390/ijerph192214760

Academic Editors: Esref Demir

and Sam Kacew

Received: 11 October 2022

Accepted: 8 November 2022

Published: 10 November 2022

Publisher’s Note: MDPI stays neutral

with regard to jurisdictional claims in

published maps and institutional affil-

iations.

Copyright: © 2022 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

International  Journal  of

Environmental Research

and Public Health

Article

Health Risk Assessment of Dermal Exposure to Polycyclic
Aromatic Hydrocarbons from the Use of Infant Diapers

Alfred Bernard 1,* and Vincent Dudler 2

1 Institut de Recherche Expérimentale et Clinique (IREC), Université catholique de Louvain,
74 Avenue Hippocrate, 1200 Bruxelles, Belgium

2 Federal Food Safety and Veterinary Office, Schwarzenburgstrasse 155, 3003 Bern, Switzerland
* Correspondence: alfred.bernard@uclouvain.be

Abstract: In September 2021, the European Chemicals Agency evaluated a dossier for restricting
polycyclic aromatic hydrocarbons (PAHs) in infant diapers and concluded that risks were not demon-
strated, because of inconclusive exposure data. To fill this gap, we measured the 16 priority PAHs of
the U.S. Environmental Protection Agency in the diaper core of four brands and in the sheets and
fastening tapes of six brands of commercially available diapers. Health risks were conservatively
assessed by assuming that dermally absorbed PAHs can cause both local (skin cancer) and systemic
critical effects (neurobehavioral changes). Total concentrations of PAHs in the diaper core and top
sheet, the only significant contributors to skin exposure, averaged 26.5 μg/kg and 66.6 μg/kg, re-
spectively. Excess skin cancer risks and hazard quotients for neurobehavioral effects calculated with
the daily dose of total PAHs from the combined diaper core and top sheet averaged 1.44 × 10−7 and
1.19 × 10−2, respectively. The median daily doses of total PAHs and of its benzo[a]pyrene-equivalent
from breast milk estimated worldwide are 171 and 30 times greater than that from the combined
diaper core and top sheet, respectively. Altogether, these findings indicate that trace levels of PAHs
found in infant diapers are unlikely to pose health risks.

Keywords: diaper; polycyclic aromatic hydrocarbons; skin cancer; neurobehavioral changes

1. Introduction

Polycyclic aromatic hydrocarbons (PAHs) are ubiquitous pollutants occurring as
complex mixtures throughout the environment. They are formed during the incomplete
combustion of fossil fuels and organic matter such as wood or tobacco. They also occur
in food as a result of environmental pollution or of some food cooking methods such as
grilling and roasting. For nonsmokers, the major sources of exposure are food and, to some
extent, polluted air [1,2].

PAHs are organic compounds consisting of multiple fused aromatic rings. The physic-
ochemical properties of PAHs that determine their potential toxicity greatly vary with
the number of rings. Two-ring PAHs and, to a lesser extent, three- and four-ring PAHs
can partly dissolve in water and are sufficiently volatile to be released in air. By contrast,
PAHs with five or more rings have a very low volatility and water solubility. These large
PAHs, therefore, are tightly adsorbed onto the surface of solid materials, which reduces
their biological accessibility. The strong hydrophobicity of these large PAHs also reduces
their solubilization into aqueous liquids while facilitating their transfer across biological
membranes and barriers [1,2].

Mixtures of PAHs have long been recognized as potent human carcinogens [3]. In
humans, as with animals, the sites of tumors induced by PAHs largely depend on the route
of exposure. By inhalation, benzo[a]pyrene (BaP), one of the most potent PAHs, induces
only respiratory tract tumors in both humans and rodents, whereas, administered orally in
animals, it causes gastro-intestinal tumors. By the dermal route, PAHs caused squamous
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cell carcinoma of the skin in humans with high occupational exposure [3]. Lifetime carcino-
genicity bioassays in several strains of mice have demonstrated that dermally applied BaP
induces only skin tumors, which, thus, should be considered as the critical effect of PAHs
by the dermal route [1–3]. This conclusion is strengthened by the fact that dermal slope
factors are more than one order of magnitude greater than oral slope factors. The formation
rate of DNA adducts is also orders of magnitude greater in the skin of mice exposed to BaP
compared to internal organs [4].

Animal studies have also shown that PAHs can cause various systemic effects includ-
ing developmental, reproductive, and immunological effects [1]. Among these effects, the
critical one occurring at the lowest exposure level is the altered neurobehavior observed in
rats following gavage or inhalation of BaP during early life. Epidemiological studies among
nonsmoking pregnant women mainly exposed to PAHs mixtures via food have reported
associations between biomarkers of BaP exposure (benzo[a]pyrene diol epoxide-DNA
adducts) and adverse birth outcomes, neurobehavioral effects, and decreased fertility [1].

Recently, public concern arose over exposure to PAHs through the use of disposable
infant diapers. A report published in 2019 by the French Agency for Food, Environmental,
and Occupational Health and Safety (ANSES), largely echoed in the media, suggested
that adverse systemic effects of PAHs, in particular, cancers and neurobehavioral changes,
cannot be excluded from the long-term [5]. Therefore, the French agency concluded the
need of regulatory actions in order to ensure the safety of diapers. In October 2020, ANSES
submitted to the European Chemical Agency (ECHA) a dossier for restricting in infant
diapers levels of several hazardous contaminants including PAHs [6]. In September 2021,
however, both the ECHA’s Committee for Risk Assessment (RAC) and the Committee for
Socio-Economic Analysis (SEAC) considered that the evidence was insufficient to conclude
that some chemicals found in diapers may pose a risk to babies [7]. In particular, RAC found
that data on the concentrations of some of these substances in diapers were inconclusive.
This was especially the case for PAHs as the risk assessment conducted by ANSES relied
on the limits of quantification of a poorly sensitive analytical method. In the absence
of accurate measurements, RAC was not in a position to completely exclude risks from
PAHs in diapers. To fill this gap, we measured PAHs in commercially available infant
diapers with an adequate analytical method. We also estimated health risks through a very
conservative approach assuming that dermally absorbed PAHs can cause both local (skin
cancer) and systemic critical effects (neurobehavioral changes).

2. Materials and Methods

2.1. Composition of Disposable Diapers

Disposable infant diapers consist of several layers of materials with different functional
properties. The most important layer in weight and volume is the diaper core, which is a
superabsorbent polymer typically made of sodium polyacrylate granules. In contact with
urine, this superabsorbent polymer forms a gel-like material that absorbs up to 30 times its
weight in liquid. The top sheet is the inner porous layer of the diaper in direct contact with
the baby’s skin. This layer is designed for a rapid transfer of the urine to the diaper core.
The back sheet is the water-proof outer layer of the diaper that prevents urine from leaking
out of the diaper. Diapers also contain various additional features such as fastening tapes
to ensure a good fit [8–10].

2.2. Measurement of PAHs

This health risk assessment is based on analyses of PAHs performed by the Swiss
Federal Institute of Metrology (METAS), which is the reference laboratory in Switzerland for
the determination of PAHs in food. The laboratory analyzed the 16 priority PAHs of the U.S.
Environmental Protection Agency (U.S. EPA) by gas chromatography–mass spectrometry
(GC–MS) using a method adapted from the European standard EN 16619:2015. PAHs were
extracted from diapers with n-hexane by liquid-pressure extraction (LPE). For each analysis,
about 2 g of material was mixed in a LPE cell with glass beads and 200 μL of a standard
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solution (mixture of deuterated PAHs). The extraction was conducted in two cycles under
the following conditions: pressure 1500 psi, temperature 100 ◦C, heating time 5 min, static
time 10 min, and rinsing volume 10 mL. The extract was concentrated to 5 mL with a rotary
evaporator and the analysis was performed by gas chromatography-mass spectrometry
(GC-MS). PAHs were measured in the back and top sheets and in the fastening tapes of
six international brands of diapers purchased in commercial stores in Switzerland. PAHs
were also measured in the diaper core of four of these brands. The diaper core and top
sheet had a mean weight of 13 and 4 g, respectively. Results are reported as the mean of
three measurements performed on mixtures of three to five randomly selected diapers. The
recovery of the PAHs content in the samples was determined from the deuterated labeled
PAHs according to the EN 16619:2015 standard, and was always higher than 90%. The
limit of quantification (LOQ) is sample-dependent and was measured specifically for each
PAH/sample pair. For the 16 substances considered, the range of LOQs and the average
were 0.01–2.18 μg/kg and 0.51 μg/kg, respectively. For PAHs that were not quantifiable,
we used the LOQ value divided by two to calculate the total PAHs concentrations. In the
assessment of skin cancer risks, we calculated the BaP potency equivalent concentrations
of individual and total PAHs using the same potency equivalent factors (PEF) as in the
ANSES report and our previous study [5,11,12].

2.3. Health Risk Assessment

Because the diaper core is not in direct contact with the skin, ingredients in diaper
core require urine as an aqueous carrier to reach the skin. The amount of liquid resurfacing
back to the skin is, however, strongly limited by the potent absorbency of polyacrylate that
allows the achievement of a very low rewetting fraction. In the study of Dey et al. [9], the
proportion of urine returning to the top sheet under pressure was estimated on average at
0.46% with a range of 0.32–0.66%. As in our previous study [12], we conservatively used a
rewet factor of 1%. By contrast, chemicals in the top sheet may be directly transferred to the
skin. For ingredients in the top sheet intended to be applied onto the skin (i.e., top-sheet
lotions), Odio et al. [13] estimated that less than 7% is actually transferred to the skin. For
ingredients not intended for skin care, their absorption is strongly limited by the fact these
ingredients are integrated within the polymeric matrix resin of the sheet. We nevertheless
adopted this transfer percentage of 7% as a conservative upper bound estimate of the skin
transfer of PAHs from the top sheet.

As shown previously [12], potential health risks related to infant diaper wearing
are expectedly highest in infants aged 0–6 months when the number of diapers used
per day and the surface/body weight ratio are highest. We, therefore, focused our risk
assessment on this period of age by adopting the same conservative exposure parameters
as previously [12] (7.98 diapers per day, body weight of 3.9 kg). The daily dose of PAHs
from the diaper core or the top sheet for an infant aged 0–6 months was calculated using
the following equations:

Diaper core : DD =
C × W × N × R × A

SDAF
(1)

Top sheet : DD =
C × W × N × T × A

SDAF
(2)

where DD is the daily dose (μg/day); C is the concentration of the chemical in the diaper
(μg/kg); W is the weight of the diaper layer (kg); N is the number of diapers used per
day; T is the fraction transferred to the skin (7%); R is the rewet factor (1%); A is the
fraction absorbed by the skin conservatively set at 100%; SDAF is the solvent-dependent
adjustment factor incorporated to adjust for the difference in bioaccessibility of PAHs from
the diaper core or top sheet when the extraction is performed with a biological fluid at
37 ◦C or with n-hexane at 100 ◦C. As there is a close inverse relationship between log Ko/w
and water solubility [14] and only a small deviation of 0.4 between log Ko/w and the
log Kn-hexane/water of alkyl-aromatic molecules [15], we adopted a SDAF of 100. This
adjustment factor of 100 can be considered conservative as it is 20 times lower than the
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Kow value of the most water-soluble PAH congener (naphthalene) among the 16 priority
U.S. EPA PAHs. For the top sheet in direct contact with the skin, we used a lower SDAF
to account for the fact that transfer to the skin does not require solubilization in urine.
PAHs from the top sheet can indeed directly dissolve in sweat or sebum that is present in
variable proportions at the surface of the skin. We adopted a default SDAF of 10 to take
into account that the transfer factor of 7% was derived for a product intended for skin care,
which presumably should be more easily extracted with n-hexane than PAHs embedded in
the top sheet matrix.

We also estimated the daily dose of PAHs from the diaper core on the basis of the
limits of solubility in water of individual PAHs using the following equation:

DD = C × R × V (3)

where DD is the daily dose (μg/day); C is the limit of water solubility (μg/L); R is the
rewet factor of 1%; V is the daily urine output estimated at 500 mL for a 0–6-months-old
infant. The limits of water solubility of individual PAHs were obtained from PubChem
https://pubchem.ncbi.nlm.nih.gov (accessed on 1 February 2022).

Excess skin cancer risks of PAHs from the diaper core or the top sheet were calculated
by using the following equation:

ECR =
DD × PEF × CSF × T

S × 70
(4)

where ECR is the excess skin cancer risk; DD is the daily dose (μg per day); PEF is the BaP
relative potency equivalent factor; CSF is the skin cancer slope factor of 3.5 (μg/cm2 per
day)−1 developed by Knafla et al. [4]; T is the duration of exposure (0.5 years); 70 is the
duration of lifetime conventionally set at 70 years; S is the skin surface area in contact with
the diaper (234 cm2) [16,17]. Unlike our previous study [12], we decided not to incorporate
an age-dependent adjustment factor (ADAF) in agreement with the recent opinion of the
ECHA risk assessment committee, concluding that there is no need to apply an ADAF for
PAHs in addition to the high to low dose extrapolation [18].

Although there are no experimental or epidemiological data to support an extrapola-
tion from ingestion or inhalation to the dermal route of exposure for PAHs, ANSES assumed
that PAHs from diapers can cause behavioral changes as observed in rats following oral or
inhalation exposure during early life. In case this assumption proves to be correct, we also
estimated the risks of neurobehavioral changes by calculating the hazard quotient with the
following equation:

HQ =
DD
TDI

(5)

where HQ is the hazard quotient; DD is the daily dose and TDI is the tolerable daily intake,
both expressed in μg/kg body weight and per day, respectively. We assumed a body weight
of 3.9 kg for a 0–6-months-old infant and we used as TDI the U.S. EPA reference dose (RfD)
of 0.3 μg/kg body weight and per day as used by ANSES [5] and our previous study [12].

3. Results

3.1. Diaper Core

All investigated PAHs congeners were found in the core of the four tested diaper
brands and, depending on the brand, 38% to 81% of them were present in quantifiable
amounts (see Supplementary materials, Table S1). Of these, there were the two most
potent PAHs, BaP and dibenzo[a,h]anthracene (DBA) that were quantified in three and
two brands, respectively. The concentrations of BaP and DBA, however, did not exceed
1 μg/kg at the exception of one brand that contained 1.4 μg/kg of DBA. Of note, the
concentrations and patterns of PAHs congeners were very consistent across the four brands,
being all dominated by naphthalene, which, on average, contributed to 52% of the total
PAHs concentrations. Table 1 shows the mean concentrations of PAHs in the diaper core of

28



Int. J. Environ. Res. Public Health 2022, 19, 14760

the four brands and the estimated ECR. The total PAHs concentration in the diaper core
averaged 26.5 μg/kg and 1.26 μg/kg when expressed as BaP-equivalent. The ECRs for BaP
and DBA were lower than 10−9, while the ECR for the total PAHs concentration remained
below 10−8. As shown in Table 2, the hazard quotient for neurobehavioral effects of total
PAHs in the diaper core averaged 2.35 × 10−4.

Table 1. Excess skin cancer risks of polycyclic aromatic hydrocarbons (PAHs) in the diaper core.

PAHs
Concentration

(μg/kg) *

Dose from
Diaper Core

(μg/day)
PEF

Dose from
Diaper Core

(μg BaP eqv./day)

Dose from Diaper Core
(μg BaP eqv./cm2/day)

Excess Skin
Cancer Risk

Benzo[a]pyrene 0.55 5.65 × 10−6 1 5.65 × 10−6 2.42 × 10−8 6.04 × 10−10

Dibenzo[a,h]anthracene 0.48 4.98 × 10−6 1 4.98 × 10−6 2.13 × 10−8 5.32 × 10−10

Benzo[g,h,i]perylene 0.76 7.87 × 10−6 0.01 7.87 × 10−8 3.37 × 10−10 8.41 × 10−12

Naphtalene 13.7 1.42 × 10−4 0.001 1.42 × 10−7 6.07 × 10−10 1.52 × 10−11

Anthracene 0.81 8.44 × 10−6 0.01 8.44 × 10−8 3.61 × 10−10 9.02 × 10−12

Benzo[a]anthracene 0.54 5.56 × 10−6 0.1 5.56 × 10−7 2.38 × 10−9 5.94 × 10−11

Indeno[1,2,3-cd]pyrene 0.61 6.29 × 10−6 0.1 6.29 × 10−7 2.69 × 10−9 6.72 × 10−11

Chrysene 0.43 4.49 × 10−6 0.01 4.49 × 10−8 1.92 × 10−10 4.80 × 10−12

Benzo[b]fluoranthene 0.31 3.23 × 10−6 0.1 3.23 × 10−7 1.38 × 10−9 3.45 × 10−11

Benzo[k]fluoranthene 0.51 5.24 × 10−6 0.1 5.24 × 10−7 2.24 × 10−9 5.60 × 10−11

Acenaphthene 0.78 8.09 × 10−6 0.001 8.09 × 10−9 3.46 × 10−11 8.65 × 10−13

Acenaphthylene 0.35 3.63 × 10−6 0.001 3.63 × 10−9 1.55 × 10−11 3.88 × 10−13

Phenanthrene 3.58 3.71 × 10−5 0.001 3.71 × 10−8 1.59 × 10−10 3.97 × 10−12

Fluoranthene 1 1.04 × 10−5 0.001 1.04 × 10−8 4.43 × 10−11 1.11 × 10−12

Fluorene 1.37 1.42 × 10−5 0.001 1.42 × 10−8 6.07 × 10−11 1.52 × 10−12

Pyrene 0.76 7.88 × 10−6 0.001 7.88 × 10−9 3.37 × 10−11 8.42 × 10−13

Total PAHs 26.5 1.94 × 10−4 1.31 × 10−5 5.60 × 10−8 1.40 × 10−9

* Average of the concentrations measured in the core of four brands of diaper.

Table 2. Assessment of neurobehavioral risks of polycyclic aromatic hydrocarbons (PAHs) in the
diaper core.

PAHs
Concentration

(μg/kg) *
Dose from Diaper
Core (μg/kg/day)

Hazard Quotient

Benzo[a]pyrene 0.545 1.45 × 10−6 4.83 × 10−6

Dibenzo[a,h]anthracene 0.48 1.28 × 10−6 4.26 × 10−6

Benzo[g,h,i]perylene 0.76 2.02 × 10−6 6.73 × 10−6

Naphtalene 13.7 3.64 × 10−5 1.21 × 10−4

Anthracene 0.81 2.17 × 10−6 7.22 × 10−6

Benzo(a)anthracene 0.54 1.43 × 10−6 4.75 × 10−6

Indeno(1,2,3-cd)pyrene 0.61 1.61 × 10−6 5.37 × 10−6

Chrysene 0.43 1.15 × 10−6 3.84 × 10−6

Benzo[b]fluoranthene 0.31 8.27 × 10−7 2.76 × 10−6

Benzo[k]fluoranthene 0.51 1.34 × 10−6 4.48 × 10−6

Acenaphthene 0.78 2.07 × 10−6 6.92 × 10−6

Acenaphtylene 0.35 9.31 × 10−7 3.10 × 10−6

Phenanthrene 3.58 9.52 × 10−6 3.17 × 10−5

Fluoranthene 1.00 2.66 × 10−6 8.87 × 10−6

Fluorene 1.37 3.64 × 10−6 1.21 × 10−5

Pyrene 0.76 2.02 × 10−6 6.74 × 10−6

Total PAHs 26.5 7.06 × 10−5 2.35 × 10−4

* Average of the concentrations measured in the core of four brands of diaper.

The importance of water solubility in reducing the skin transfer and cancer risk of
PAHs from the diaper core clearly emerges from Table 3 showing ECRs calculated with
the water solubility limits of individual PAHs. For the most potent PAHs (PEF ≥ 0.1) with
water solubility limits lower than 10 μg/L, ECRs were all below 10−6. The water solubility
limits of the less potent PAHs (PEF 0.01 and 0.001) were much higher, ranging from 135 up
to 31,000 μg/L in the case of naphthalene. The ECR of total PAHs reached 2.52 × 10−5 and
8.52 × 10−6 after exclusion of naphthalene.

29



Int. J. Environ. Res. Public Health 2022, 19, 14760

Table 3. Excess skin cancer risks of polycyclic aromatic hydrocarbons (PAHs) in the diaper core
calculated with their respective limit of solubility in water.

PAHs
Number of

Rings

Water
Solubility

(μg/L)

Dose from
Diaper Core

(μg/day) *
PEF

Dose from
Diaper Core

(μg BaP
eqv./day)

Dose from
Diaper Core

(μg BaP
eqv./cm2/day)

Excess Skin
Cancer Risk

Benzo[a]pyrene 5 1.62 8.10 × 10−3 1 8.10 × 10−3 3.46 × 10−5 8.65 × 10−7

Dibenzo[a,h]anthracene 5 1.66 6.60 × 10−3 1 6.60 × 10−3 3.55 × 10−5 8.87 × 10−7

Benzo[g,h,i]perylene 6 0.26 1.30 × 10−3 0.01 1.30 × 10−5 5.56 × 10−8 1.39 × 10−9

Naphthalene 2 31,000 1.55 × 10+2 0.001 1.55 × 10−1 6.62 × 10−4 1.66 × 10−5

Anthracene 3 43.4 2.17 × 10−1 0.01 2.17 × 10−3 9.27 × 10−6 2.32 × 10−7

Benzo[a]anthracene 4 9.4 4.70 × 10−2 0.1 4.70 × 10−3 2.01 × 10−5 5.02 × 10−7

Indeno[1,2,3-cd]pyrene 6 0.19 9.50 × 10−4 0.1 9.50 × 10−5 4.06 × 10−7 1.01 × 10−8

Chrysene 4 2.0 1.00 × 10−2 0.01 1.00 × 10−4 4.27 × 10−7 1.07 × 10−8

Benzo[b]fluoranthene 5 1.5 7.50 × 10−3 0.1 7.50 × 10−4 8.33 × 10−5 8.01 × 10−8

Benzo[k]fluoranthene 5 0.8 4.00 × 10−3 0.1 4.00 × 10−4 8.40 × 10−5 4.27 × 10−8

Acenaphthene 3 3900 1.95 × 101 0.001 1.95 × 101 8.33 × 10−5 2.08 × 10−6

Acenaphthylene 3 3930 1.97 × 101 0.001 1.97 × 101 8.40 × 10−5 2.10 × 10−6

Phenanthrene 3 1300 6.50 0.001 6.50 × 10−3 2.78 × 10−5 6.94 × 10−7

Fluoranthene 4 260 1.30 0.001 1.30 × 10−3 5.56 × 10−6 1.39 × 10−7

Fluorene 3 1690 8.45 0.001 8.45 × 10−3 3.61 × 10−5 9.03 × 10−7

Pyrene 4 135 6.75 0.001 6.75 × 10−3 2.88 × 10−6 7.21 × 10−8

Total PAHs 2.11 × 102 2.36 × 10−1 1.01 × 10−3 2.52 × 10−5

Total PAHs without
naphthalene 5.64 × 101 8.07 × 10−2 3.45 × 10−4 8.62 × 10−6

* The daily dose is calculated by assuming a daily urine output of 500 mL for a 0–6-months-old infant.

3.2. Top Sheet

In contrast to the diaper core, concentrations and patterns of PAHs congeners in
the top sheet widely varied between the six tested brands (see Supplementary materials,
Table S2). Depending on the brand, 31% to 50% of PAHs congeners could be quantified.
However, only one brand contained a quantifiable amount of the two most potent PAHs
congeners (BaP). Table 4 shows the mean concentrations of PAHs in the top sheet of the six
tested brands and the associated ECR. The total PAHs concentration averaged 66.6 μg/kg
and 3.51 μg/kg when expressed as BaP-equivalent. ECRs for BaP and DBA were lower
than 10−8 and the ECR for total PAHs remained below 10−7. As shown in Table 5, the
hazard quotient for neurobehavioral effects of total PAHs in the top sheet was estimated,
on average, at 1.27 × 10−2.

3.3. Diaper Core Plus Top Sheet

Because of the great heterogeneity of top sheet PAHs concentrations between the
six diaper brands, we refined our risk assessment by calculating the ECR and hazard
coefficients of total PAHs from the combined core and top sheet of the four diaper brands.
As shown in Table 6, the ECR ranged from 5.1 × 10−10 to 3.1 × 10−9 for PAHs in the diaper
core and from 5.2 × 10−8 to 2.0 × 10−7 for PAHs in the top sheet. The ECR for PAHs
from the combined diaper core and top sheet averaged 1.44 × 10−7 (range, 2.0 × 10−7 to
8.60 × 10−7), while the hazard quotient for neurobehavioral changes averaged 1.19 × 10−2

(range, 9.6 × 10−3 to 1.41 × 10−2).

3.4. Back Sheet and Fastening Tapes

Diaper materials used on the outside of the diaper chassis (e.g., back sheet and fasten-
ing tapes) have a very limited direct contact with the skin. Even though there would be
some contact with the skin, the contribution of fastening tapes and the back sheet would
be totally insignificant when one considers the very low concentrations of PAHs and the
patterns of congeners (Table S2 of Supplementary materials). The two most potent PAHs
congeners, BaP and DBA, were mostly undetectable or present in unquantifiable concen-
trations with the exception of BaP, which was quantified in one brand of fastening tape.
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Regarding other congeners, only 27% and 29% of them could be quantified in the back
sheet and fastening tapes, respectively.

Table 4. Excess skin cancer risks of polycyclic aromatic hydrocarbons (PAHs) in the top sheet
of diapers.

PAHs
Concentration

(μg/kg) *
Dose from Top
Sheet (μg/day)

PEF
Dose from
Top Sheet

(μg BaP eqv./day)

Dose from Top Sheet
(μg BaP eqv./cm2/day)

Excess Skin
Cancer Risk

Benzo[a]pyrene 1.6 3.58 × 10−4 1 3.58 × 10−4 1.53 × 10−6 3.82 × 10−8

Dibenzo[a,h]anthracene 0.73 1.63 × 10−4 1 1.63 × 10−4 6.97 × 10−7 1.74 × 10−8

Benzo[g,h,i]perylene 1.33 2.97 × 10−4 0.01 2.97 × 10−6 1.27 × 10−8 3.17 × 10−10

Naphtalene 5.19 1.15 × 10−3 0.001 1.15 × 10−6 4.96 × 10−9 1.24 × 10−10

Anthracene 5.61 1.25 × 10−3 0.01 1.25 × 10−5 5.36 × 10−8 1.34 × 10−9

Benzo(a)anthracene 6.74 1.51 × 10−3 0.1 1.51 × 10−4 6.44 × 10−7 1.61 × 10−8

Indeno(1,2,3-cd)pyrene 0.43 9.61 × 10−5 0.1 9.61 × 10−6 4.11 × 10−8 1.03 × 10−9

Chrysene 3.09 6.90 × 10−4 0.01 6.90 × 10−6 2.95 × 10−8 7.38 × 10−10

Benzo[b]fluoranthene 1.66 3.71 × 10−4 0.1 3.71 × 10−5 1.59 × 10−7 3.96 × 10−9

Benzo[k]fluoranthene 1.54 3.44 × 10−4 0.1 3.44 × 10−5 1.47 × 10−7 3.68 × 10−9

Acenaphthene 8.48 1.89 × 10−3 0.001 1.89 × 10−6 8.10 × 10−9 2.02 × 10−10

Acenaphtylene 8.16 1.82 × 10−3 0.001 1.82 × 10−6 7.79 × 10−9 1.95 × 10−10

Phenanthrene 2.37 5.30 × 10−4 0.001 5.30 × 10−7 2.26 × 10−9 5.66 × 10−11

Fluoranthene 2.04 4.56 × 10−4 0.001 4.56 × 10−7 1.95 × 10−9 4.87 × 10−11

Fluorene 14.2 3.17 × 10−3 0.001 3.17 × 10−6 1.36 × 10−8 3.30 × 10−10

Pyrene 3.4 7.60 × 10−4 0.001 7.60 × 10−7 3.25 × 10−9 8.12 × 10−11

Total PAHs 66.6 1.49 × 10−2 7.85 × 10−4 3.35 × 10−6 8.38 × 10−8

* Average of the concentrations measured in the top sheet of six brands of diaper.

Table 5. Assessment of neurobehavioral risks of polycyclic aromatic hydrocarbons (PAHs) in the top
sheet of diapers.

PAHs
Concentration

(μg/kg) *
Dose from Top Sheet

(μg/kg/day)
Hazard Quotient

Benzo[a]pyrene 1.6 9.17 × 10−5 3.06 × 10−4

Dibenzo[a,h]anthracene 0.73 4.18 × 10−5 1.39 × 10−4

Benzo[g,h,i]perylene 1.33 7.62 × 10−5 2.54 × 10−4

Naphtalene 5.19 2.97 × 10−4 9.91 × 10−4

Anthracene 5.61 3.21 × 10−4 1.07 × 10−3

Benzo(a)anthracene 6.74 3.86 × 10−4 1.29 × 10−3

Indeno(1,2,3-cd)pyrene 0.43 2.46 × 10−5 8.21 × 10−5

Chrysene 3.09 1.77 × 10−4 5.90 × 10−4

Benzo[b]fluoranthene 1.66 9.51 × 10−5 3.17 × 10−4

Benzo[k]fluoranthene 1.54 8.82 × 10−5 2.94 × 10−4

Acenaphthene 8.48 4.86 × 10−4 1.62 × 10−3

Acenaphtylene 8.16 4.68 × 10−4 1.56 × 10−3

Phenanthrene 2.37 1.36 × 10−4 4.53 × 10−4

Fluoranthene 2.04 1.17 × 10−4 3.90 × 10−4

Fluorene 14.2 8.14 × 10−4 2.71 × 10−3

Pyrene 3.40 1.95 × 10−4 6.49 × 10−4

Total PAHs 66.6 1.49 × 10−2 1.27 × 10−2

* Average of the concentrations measured in the top sheet of six brands of diaper.

3.5. Comparison of the Daily Dose of PAHs from Diaper Core or Top Sheet with That from
Breast Milk

Table 7 compares the daily dose of total PAHs and of its BaP-equivalent from the
combined diaper core and top sheet with that from breast milk of non-smoking women
reported worldwide. The daily dose of total PAHs varied over two orders of magnitude
between countries and over more than three orders of magnitude when expressed as BaP-
equivalent. These wide variations in the BaP-equivalent daily dose are largely due to BaP
and DBA whose concentrations in human milk were undetectable in some studies, while
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in other studies, they could be quantified with concentrations up to 4.36 μg/kg [19]. The
median daily dose of total PAHs and of its BaP-equivalent from breast milk estimated
worldwide are 171 and 30 times greater than that from the combined diaper core and top
sheet, respectively.

Table 6. Excess skin cancer and neurobehavioral risks of polycyclic aromatic hydrocarbons (PAHs) in
the core and the top sheet of four brands of diaper, separately or combined.

Brands Part of Diaper
Total PAHs

Concentration
(μg/kg)

Dose from
Diaper (μg BaP
eqv./cm2/day)

Excess Skin
Cancer Risk

Dose from
Diaper

(μg/kg/day)

Hazard
Quotient

A Top sheet 57.2 8.1 × 10−6 2.0 × 10−7 3.28 × 10−3 1.09 × 10−2

Core 17.8 3.0 × 10−8 7.6 ×10−10 4.74 × 10−6 1.58 × 10−5

Top sheet + core 8.0 × 10−6 2.0 × 10−7 3.29 × 10−3 1.10 × 10−2

B Top sheet 65.6 2.1 × 10−6 5.2 × 10−8 3,74 × 10−3 1.25 × 10−2

Core 34.9 4.7 × 10−8 1.2 × 10−9 9.28 × 10−5 3.09 × 10−4

Top sheet + core 2.1 × 10−6 1.7 × 10−7 3.84 × 10−3 1.28 × 10−2

C Top sheet 72.3 4.5 × 10−6 1.1 × 10−7 4.13 × 10−3 1.36 × 10−2

Core 30.2 1.3 × 10−7 3.1 × 10−9 8.03 × 10−5 2.68 × 10−4

Top sheet + core 4.7 × 10−6 1.2 × 10−7 4.21 × 10−3 1.40 × 10−2

D Top sheet 49.4 3.4 × 10−6 8.5 × 10−8 2.82 × 10−3 9.40 × 10−3

Core 22.5 2.0 × 10−8 5.1 × 10−10 6.00 × 10−5 2.00 × 10−4

Top sheet + core 3.4 × 10−6 8.6 × 10−8 2.88 × 10−3 9.60 × 10−3

All Top sheet + core 3.79 × 10−6 1.44 × 10−7 3.56 × 10−3 1.19 × 10−2

Table 7. Comparison of the BaP-equivalent daily dose of PAHs from breast milk of non-smoking
women with that from diapers.

Country Authors
Dose of PAHs from Breast Milk * Breast Milk/Diaper Dose Ratio

μg/kg/Day μg BaP eqv./kg/Day μg/kg/Day μg BaP eqv./kg/Day

Colombia Torres-Moreno et al., 2022 [20] 0.62 6.13 × 10−3 224 29
Portugal Oliveira et al., 2020 [21] 1.28 6.48 × 10−2 462 304
USA Acharya et al., 2019 [22] 0.52 1.86 × 10−2 188 87
Ghana Asamoha et al., 2019 [23] 0.43 6.14 × 10−3 155 29
Italy Santonicola et al., 2017 [19] 16.1 1.00 5812 4695
Czech Republic Pulkrabova et al., 2016 [24] 0.093 9.53 × 10−4 34 4.5
Turkey Cok et al., 2012 [25] 0.30 2.18 × 10−3 108 10
USA Kim et al., 2008 [26] 0.084 2.90 × 10−4 30 1.3
Italy Zanieri et al., 2007 [27] 2.58 1.16 × 10−2 931 54
Japan Kishikawa et al., 2003 [28] 0.11 6.75 × 10−3 40 32

* Daily dose from breast milk was calculated for an infant of 5 kg of body weight fed daily with 700 mL of maternal
milk containing 25 g/L of lipids. The daily dose from the diaper is the daily dose of PAHs from combined diaper
core and top sheet.

4. Discussion

To accurately assess exposure to PAHs from infant diapers, we measured the 16 pri-
ority U.S. EPA PAHs in the different layers of commercially available infant diapers in
Switzerland. In the diaper core and top sheet, which are the only significant contributors
to skin exposure, the proportion of quantifiable PAHs congeners varied depending on
the brand between 38% and 81%, and 31% to 50%, respectively. BaP and DBA could be
quantified in the diaper core of, respectively, 2 and 3 brands out of the four tested. In
the top sheet, only BaP could be quantified in one brand out of the six tested. Of interest,
concentrations and patterns of PAHs congeners in the diaper core were remarkably con-
sistent across the brands with a predominance of naphthalene. This consistency suggests
a common source of contamination, which is probably linked to ingredients used in the
manufacture of the diaper. A possible source of contamination might be the glue used to
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fix the core as naphthalene is a common contaminant of glues [29]. By contrast, the marked
variations in the concentrations and patterns of PAHs congeners in the diaper top sheet
suggest the existence of brand-specific sources of contamination that may come from the
ingredients, the factory environment, or the widespread environmental pollution by PAHs.

The present study confirms as anticipated [12] that ANSES has largely overestimated
cancer risks from PAHs in infant diapers. Our ECR estimates for total PAHs concentration
were lower than 10−8 for the diaper core and 10−7 for the top sheet. These ECRs are more
than four orders of magnitude lower than those calculated by ANSES, which, for BaP and
DBA alone, exceeded 10−3. Interestingly, our study shows that in the case of the diaper
core, such a high exceedance is impossible to achieve for a mere physical reason, which
is the very poor water solubility of HAPs and especially of BaP and DBA. The ECRs of
BaP and DBA in the diaper core calculated at their respective limit of water solubility were
indeed in the range of 10−6. Furthermore, because of the conservative assumptions made
in our study, we probably overestimated the skin exposure to PAHs from the diaper core.
Not only did we assume a dermal absorption of 100% but we also conservatively used a
SDAF value of 100, which is more than one order of magnitude lower than the lowest Kow
value of the 16 priority U.S. EPA PAHs. By incorporating a SDAF value of 100, we assume
that the bioavailability of diaper core PAHs is at least 100 times lower when the extraction is
performed with urine at 37 ◦C than with n-hexane at 100 ◦C. This assumption unavoidably
leads to an overestimation of the exposure and health risks of large (≥4 rings) strongly
lipophilic PAHs, which have much higher Kow values (log Kow between 5.61 and 6.84)
and include the most potent carcinogens (PEF ≥ 0.1). For the top sheet in direct contact
with the skin, the transport of PAHs to the skin does not require solubilization in urine.

They can be directly absorbed across the skin after solubilization in sweat or sebum
present in variable proportions at the surface of the skin. For top sheet PAHs, we adopted a
SDAF of 10 to take into account that the 7% transfer factor was established for substances
intended to be delivered to the skin and also that PAHs embedded in the top sheet are
presumably more efficiently extracted with n-hexane at 100 ◦C than with an aqueous solvent
at 37 ◦C. With a skin absorption assumed to be 100%, this SDAF results in a bioavailability
of 10%, which can be regarded conservative in regard to the experimental data in the
literature. In a human ex vivo skin model, Bourgart et al. [30], for instance, estimated the
dermal absorption of unchanged BaP at less than 5% and that of 3-hydroxybenzo[a]pyrene,
the metabolite presumably responsible for the neurobehavioral effects of BaP, at less than
0.1% [31]. Moreover, these estimates were made with BaP dissolved in acetone, i.e., under
conditions that are known to facilitate the skin absorption of BaP [1,3,4]. Recently, Luo
et al. [14] estimated at less than 6% the dermal availability of BaP adsorbed onto indoor
dust, which is presumably much more bioavailable than PAHs embedded in the matrix of
the diaper top sheet.

Our estimates of skin cancer are in accordance with epidemiological or case report
studies that provide no evidence of dermal carcinogenicity of PAHs in infant diapers. In
the hypothesis that PAHs from diapers would cause skin cancer, there is no doubt that the
critical skin site would be the highly permeable scrotum. It is difficult to believe that such
a cancer risk could have passed undetected after more than five decades of widespread
use of infant diapers [32]. Squamous cell carcinoma (SCC) is the type of scrotal malignancy
that has been reported after high occupational exposure to PAHs. Now, with the early
recognition of this hazard and implementation of preventive measures, SCC has become a
very rare cancer with a steady incidence through the 20th century. Of note also, the median
range of age at SCC diagnosis is 52–57 years, which makes it unlikely that SCC could be
initiated during infancy, even though the median SCC latency is close to 30 years [33].

The risk assessment conducted by ANSES was based on both an exposure route
and species extrapolation, assuming that dermally absorbed PAHS can cause digestive
tract tumors and neurobehavioral changes as evidenced in animals following oral and/or
inhalation early exposure. The first assumption about digestive tract cancers is strongly
challenged by experiments in rodents showing that dermally applied BaP causes only
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skin tumors. The second assumption cannot be formally refuted as developmental effects
of PAHs have not been investigated in animals by the dermal route. However, if one
assumes, as with ANSES, that PAHs absorbed by the skin can cause neurotoxic effects, our
findings clearly show that these risks are totally unlikely as the estimated absorbed doses
are about two orders of magnitude lower than the U.S. EPA reference dose. This conclusion
is indirectly supported by comparing the PAHs daily dose from diapers with that from
breast milk, which, in some countries, can be one to three orders of magnitude higher.
There is no epidemiological evidence whatsoever associating breastfeeding with increased
risks of cancer or neurotoxic effects. On the contrary, breastfeeding is well recognized as
protective against a number of diseases or disorders including cancers (e.g., leukemia) and
as beneficial to the child’s neurodevelopment, improving the IQ and reducing the risk of
behavioral disorders [34,35].

Our study presents some limitations. The first is the lack of experimental data about
the bioavailability of PAHs in the diaper core and top sheet. Because extraction was
performed with n-hexane, we had to make some conservative assumptions to adjust for
the much lower solubility of PAHs in biological fluids compared to n-hexane. One might
argue that it would have been more relevant to perform the extraction with artificial urine,
the carrier transporting PAHs from the diaper core to the skin. The issue is that given the
already very low concentrations found after n-hexane extraction, it is very likely that with
an aqueous solvent, most PAHs would have been, if not undetectable, unquantifiable. In
addition, extraction with artificial urine would have led to an underestimation of the risks of
PAHs in the top sheet, which can be directly transported to the skin without solubilization
in an aqueous carrier. Another limitation is the lack of neurotoxicity data for individual
PAHs as well as following exposure to PAHs by the dermal route. We conservatively
assumed that the 16 U.S. EPA PAHs can cause neurobehavioral changes by the dermal
route with the same neurotoxic potency as BaP, which could result in a risk overestimation.
Nevertheless, for both the carcinogenic and neurotoxic effects of PAHs, our evaluation
has inherent uncertainties due to the extrapolation between species and the possibility of
synergistic interactions between PAHs congeners. However, given the very conservative
assumptions adopted in our study, we think that these limitations and uncertainties should
not change our conclusions.

5. Conclusions

We measured the 16 priority U.S. EPA PAHs in the different layers of commercially
available infant diapers in Switzerland. In the diaper core and top sheet, the main sources of
skin exposure, the proportion of quantifiable PAHs in the different brands varied between
38% and 81%, and 31% to 50%, respectively. The concentrations and patterns of PAHs
congeners in the diaper core were remarkably consistent across the brands, which suggests a
common source of contamination probably linked to an ingredient used in the manufacture
of the diaper. By contrast, both the concentrations and patterns of PAHs congeners greatly
varied between brands, which points to different sources of contamination linked to the
ingredients and/or the environment. Excess skin cancer risks and hazard quotients for
neurobehavioral effects of total PAHs from the combined diaper core and top sheet averaged
1.44 × 10−7 and 1.19 × 10−2, respectively. The median daily dose of total PAHs and of
its BaP-equivalent from breast milk of non-smoking women estimated worldwide are 171
and 30 times greater than that from the combined diaper core and top sheet, respectively.
Altogether, these findings indicate that trace levels of PAHs found in infant diapers are
unlikely to pose health risks to babies.

Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/ijerph192214760/s1, Table S1: concentration of polycyclic aromatic
carbons (PAHs) in the diaper core of infant diapers from four brands; Table S2: concentrations of
polycyclic aromatic hydrocarbons (PAHs) in the top sheet (A), back sheet, (C) and fastening tapes (F)
of infant diapers from six brands.
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Abstract: Light pollution worldwide promotes the progression of obesity, which is widely considered
a consequence of circadian rhythm disruptions. However, the role of environmental light wavelength
in mammalian obesity is not fully understood. Herein, mice fed a normal chow diet (NCD) or a
high-fat diet (HFD) were exposed to daytime white (WL), blue (BL), green (GL), and red light (RL) for
8 weeks. Compared with WL and RL, BL significantly increased weight gain and white adipose tissue
(WAT) weight, and it disrupted glucose homeostasis in mice fed with HFD but not NCD. The analysis
of WAT found that BL significantly aggravated HFD-induced WAT hypertrophy, with a decrease
in IL-10 and an increase in NLRP3, p-P65, p-IκB, TLR4, Cd36, Chrebp, Srebp-1c, Fasn, and Cpt1β
relative to WL or RL. More interestingly, BL upregulated the expression of circadian clocks in the
WAT, including Clock, Bmal1, Per1, Cry1, Cry2, Rorα, Rev-erbα, and Rev-erbβ compared with WL or
RL. However, most of the changes had no statistical difference between BL and GL. Mechanistically,
BL significantly increased plasma corticosterone (CORT) levels and glucocorticoid receptors in the
WAT, which may account for the changes in circadian clocks. Further, in vitro study confirmed that
CORT treatment did promote the expression of circadian clocks in 3T3-L1 cells, accompanied by an
increase in Chrebp, Cd36, Hsp90, P23, NLRP3, and p-P65. Thus, daily BL, rather than RL exposure-
induced CORT elevation, may drive changes in the WAT circadian clocks, ultimately exacerbating
lipid dysmetabolism and adipocytic hypertrophy in the HFD-fed mice.

Keywords: monochromatic light pollution; adipose hypertrophy; high-fat diet; circadian clocks;
corticosterone

1. Introduction

With the acceleration of urbanization, the massive introduction of artificial light at
night (LAN) has blurred the normal time division of day and night, making light pollution
a potential global health risk factor [1,2]. Meanwhile, growing exposure to light from
electronic products has also exacerbated the progress of light pollution. In modern society,
people are exposed to intelligent device screens, such as mobile phones and computers,
for a long time during the daytime, which emits blue light (BL) that is harmful to health.
The unreasonable or irregular use of artificial light may be responsible for bringing terrible
environmental disasters to the health of humans and animals.

Interestingly, the influence of light pollution on metabolic homeostasis has raised
increasing attention in recent years [3]. Irregular light exposure has been proven to be a
hazardous factor for obesity [4–6], as it promotes hepatic steatosis [7,8], increases fasting
blood glucose (FBG), and induces insulin resistance (IR) [9,10]. The effects of ambient light
exposure on metabolic homeostasis depend on light period, intensity, and wavelengths [11].
As reported, the extent to which dim LAN (dLAN) and constant light (LL) exposure
dysregulate metabolisms differs [12]. Exposure to LAN has an intensity-dependent acute
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detrimental effect on glucose metabolism [13]. However, studies on the link between
wavelength and metabolism are limited. The existing findings have not fully revealed the
role of light wavelength, barely diving into the physiological mechanisms involved in the
light wavelength’s impact at the lipid metabolism level.

There are currently more than 1.9 billion adults worldwide who are overweight
or obese. These staggering numbers continue to climb, posing inestimable health and
economic burdens [14]. The increased white adipose tissue (WAT) in obesity is a highly
active but dysfunctional metabolic organ, which is one of the main stages of complex
mechanisms that underlie the pathogenesis of obesity, namely low-grade inflammation [15].
On the contrary, thermogenic brown adipose tissue (BAT) contributes to weight loss due
to its abundant mitochondria. Nevertheless, BAT dysfunction leads to obesity, a process
linked to the “whitening” of the tissue [16]. Moreover, abnormal changes in genes involved
in lipid synthesis, transport, and oxidation can affect lipid accumulation in adipose and
lead to WAT hypertrophy or BAT whitening [17].

Notably, obesity exacerbated by light pollution is now commonly linked to the disrup-
tion of the circadian clock. In the core cycle of the circadian clock, the main components
include Circadian Locomotor Output Cycles Kaput (CLOCK), Brain and Muscle Arnt-like
Protein 1 (BMAL1), Cryptochrome (CRY1, CRY2), and Period (PER1, PER2, PER3). Ad-
ditional feedback loops include nuclear receptors retinoic acid-related orphan receptors
(RORs), REV-ERBs., etc., to maintain the robustness of the clock system [18]. The circadian
system is important for energy metabolism, which is synchronized mainly through the
standard light-dark (LD) cycle [19]. On the contrary, irregular light is transmitted to the
suprachiasmatic nucleus (SCN) via intrinsic photosensitive retinal ganglion cells (ipRGCs),
disturbing the central circadian rhythm and driving changes in peripheral circadian clocks,
which is likely to be mediated by hormone signals such as melatonin and corticosterone
(CORT) [18]. In the adipose tissue, biological clock genes in the adipose tissue regulate the
proliferation and differentiation of adipocytes, lipid metabolism, and endocrine [20,21].

Although some knowledge has been gained about the relationship between light
wavelength and obesity, the effect and mechanism on the adipose tissue remain unknown,
especially for diurnal light exposure. Therefore, this study aims to explore the effect and
potential pathways of long-term exposure to diurnal monochromatic lights on obesity in
mice from the perspective of the adipose tissue, thus providing a brand-new theoretical
reference for the prevention or treatment of obesity.

2. Materials and Methods

2.1. Animal Treatment and Light Exposure

The experiment is based on the “Guidelines for the Care and Use of Laboratory
Animals” issued by the Animal Welfare Committee of the Agricultural Research Orga-
nization, China Agricultural University (Approval No.AW18079102-1-2). Six-week-old
male C57BL/6 mice (Charles River Co., Ltd., Beijing, China) were raised under optimum
conditions (at a temperature of 21 ± 1 ◦C, relative humidity of 50 ± 10%, 14-h:10-h LD
cycle) and obtained food and water freely. The mice were firstly housed under white light
(WL, 400–700 nm) and a normal chow diet (NCD, 4% of energy from lipid, Charles River
Co. Ltd., Beijing, China) for 1-week adaption. Then, the mice were randomly divided into
(1) mice exposed to WL fed on NCD (WN) or on a high-fat diet (HFD, 45% of energy from
lipid, Beijing HFK Bioscience Co., Ltd., Beijing, China) (WF), (2) mice exposed to BL (peak
at 444 nm) fed on NCD (BN) or HFD (BF), (3) mice exposed to green light (GL, peak at
528 nm) fed on NCD (GN) or HFD (GF), and (4) mice exposed to red light (RL, peak at
624 nm) fed on NCD (RN) or HFD (RF). The lights were powered by a light-emitting diode
system (Zhongshan Junsheng Lighting Technology Co., Ltd. Zhongshan, China) with a
constant intensity of 150 lx under 14-h:10-h LD cycle (lights on from 7:00 AM to 9:00 PM).
The lights’ parameters are shown in Table 1. During the experiment, animal body weight,
food intake, and water drinking were recorded. After 8 weeks, the plasma and adipose
tissues were harvested for the following experiments.
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Table 1. Light parameters.

Items
Light Exposure

WL BL GL RL

Light wavelength (nm) 400–700 Peak at 444 Peak at 528 Peak at 624
Light intensity (lux) 150 150 150 150
Light: dark cycle (h) 14:10 14:10 14:10 14:10

2.2. Glucose and Insulin Tolerance Test

After 12 h overnight, mice were intraperitoneally injected with glucose (1 g/kg body
weight, Sigma, St. Louis, MO, USA) for a glucose tolerance test (GTT). Blood samples from
the tip of the tail were measured at 0, 15, 30, 60, 90, and 120 min after glucose injection by
a portable glucose monitor (Aike, Lingrui, Hangzhou, China). The area under the curve
(AUC) was calculated by Graphpad prism (version 9.4, GraphPad Software Inc., San Diego,
CA, USA). For the insulin tolerance test (ITT), mice were fasted overnight for 6 h to inject
insulin (0.75 IU/kg, Novolin R, Novo Nordisk, Denmark), and their blood glucose was
measured as described.

2.3. Commercial Kits Detection

The concentration of CORT, melatonin, and noradrenalin in plasma samples and
the concentrations of inflammatory factors (IL-6 and IL-10) in the WAT were detected
by a competitive enzyme-linked immunosorbent assay (Uscn Life Science, Inc., Wuhan,
China). Commercial kits (Jiancheng Institute of Biotechnology, Nanjing, China) were used
to determine the plasma levels of total cholesterol (TC) and triglyceride (TG). All the tests
were carried out according to the manufacturer’s instructions.

2.4. Histology Staining

The harvested epididymis (Epi)-WAT and BAT were maintained in 4% formalin for
48 h, followed by a series of alcohol dehydrations, and finally embedded in paraffin. Epi-
WAT and BAT (5 μm) were sectioned using a semiautomatic rotary microtome, stained
with Hematoxylin and Eosindye (H&E), and observed microscopically (BX51, Olympus,
Tokyo, Japan). The density of adipocytes in WAT was measured as the ratio of the number
of cells to the total area of the section field of view. Measurement of mean adipocyte area
was found using automated Image-pro plus software (Media Cybernetics, Inc., Rockville,
MD, USA). The WAT was examined from six animals in each group.

2.5. Quantitative Real Time (RT)-PCR Analysis

We used a previously described method [22]. In short, total mRNA was first extracted
from the Epi-WAT, BAT, and cell, followed by reverse transcription to obtain cDNA. Then,
RT-PCR experiments were conducted via designed gene primers and demonstrated the
expression level of each gene with glyceraldehyde-3-phosphate dehydrogenase (Gapdh)
as an internal control. The experiments were repeated in triplicate. The primers used are
shown in Table 2.

Table 2. Sequences of primers used for RT-PCR.

Gene Primer Sequence (5′ to 3′) Product Size Accession

Cd36 F: GTGCAAAACCCAGATGACGT R: TCCAACAGACAGTGAAGGCT 180 NM_001159558.1
Chrebp F: GTGTGTGGTTTCGTGACCC R: CACTTGTGGTATTCGCGCATC 128 NM_001359237.1
Srebp-1c F: ATCGCAAACAAGCTGACCTG R: AGATCCAGGTTTGAGGTGGG 115 NM_001388389.1
Fasn F: TCCTGGAACGAGAACACGATCT R: GAGACGTGTCACTCCTGGACTTG 138 NM_007988.3
Cpt1β F: GGCACCTCTTCTGCCTTTAC R: TTTGGGTCAAACATGCAGAT 136 NM_009948.2
Clock F: ATGGTGTTTACCGTAAGCTGTAG R: CTCGCGTTACCAGGAAGCAT 197 XM_011249402.3
Bmal1 F: CAGAGCCGGAGCAGGAAAAATAGGT R: CAGGGGGAGGCGTACTTGTGATGT 128 NM_001374642.1
Per1 F: CGGATTGTCTATATTTCGGAGCA R: TGGGCAGTCGAGATGGTGTA 142 NM_001159367.2
Per2 F: GAAAGCTGTCACCACCATAGAA R: AACTCGCACTTCCTTTTCAGG 186 NM_011066.3
Cry1 F: CACTGGTTCCGAAAGGGACTC R: CTGAAGCAAAAATCGCCACCT 153 NM_007771.3
Cry2 F: CACTGGTTCCGCAAAGGACTA R: CCACGGGTCGAGGATGTAGA 102 NM_009963.4
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Table 2. Cont.

Gene Primer Sequence (5′ to 3′) Product Size Accession

Rorα F: TCCAAATCCCACCTGGAAAC R: GGAAGGTCTGCCACGTTATCTG 70 NM_001289916.1
Rve-erbα F: TACATTGGCTCTAGTGGCTCC R: CAGTAGGTGATGGTGGGAAGTA 127 NM_145434.4
Rve-erbβ F: GGAAACACTCATCCGTGCACTA R: ATCGAAGATCTGGCAACTTTAGAA 101 NM_001145425.2
Ucp1 F: TAAGCCGGCTGAGATCTTGT R: GGCCTCTACGACTCAGTCCA 84 NM_009463.3
Ucp3 F: CTGCACCGCCAGATGAGTTT R: ATCATGGCTTGAAATCGGACC 191 NM_009464.3
Pgc-1α F: TATGGAGTGACATAGAGTGTGCT R: CCACTTCAATCCACCCAGAAAG 134 NM_008904.3
Hsp70 F: CGGTGCCCGCCTACTTC R: TCCTTCTTGTGCTTCCTCTTGA 322 NM_005346.6
Hsp90 F: ACGAGGAAGAGAAGAAGAAAATGG R: GCAGGGTGAAGACACAAGCC 131 NM_001271971.2
P23 F: ATGCGTTTGGAGAAGGACAGA R: CAGGGATGAAGTGATGGTGAG 210 NM_001289785.1
Gapdh F: CCGAGAATGGGAAGCTTGTC R: TTCTCGTGGTTCACACCCATC 232 NM_001289726.1

F = forward primer; R = reverse primer.

2.6. Western Blot Analysis

Epi-WAT and cell proteins were extracted and performed western blot detection
according to the previously described method [22]. The specific antibodies and related
concentrations were as follows: NOD-like receptor thermal protein domain associated
protein 3 (NLRP3, 1:1000; CST), p-P65 (1:1000; CST), p-IκB (1:1000; CST), toll-like receptor
4 (TLR4, 1:1000; Santa Cruz, Dallas, TX, USA), circadian locomotor output cycles kaput
(CLOCK, 1:1000; Abcam, Cambridge, UK), brain and muscle arnt-like protein 1 (BMAL1,
1:1000; Santa Cruz, Dallas, TX, USA), glucocorticoid receptor (GR, 1:2000; Proteintech,
Rosemont, IL, USA), and β-actin (1:8000; Proteintech, Rosemont, IL, USA) overnight
at 4 ◦C. The membranes were washed with Tris-buffered saline Tween and incubated
with horseradish peroxidase-conjugated goat anti-mouse/rabbit antibody (1:8000; CoWin
Biotech Co., Inc., Cambridge, MA, USA). The target band values were normalized to those
of β-actin. The results were based on three independent experiments.

2.7. Cell Culture and Treatment

3T3-L1 cell lines were maintained in Dulbecco’s modified Eagle’s medium supple-
mented with 10% fetal bovine serum and 4 mM l-glutamine + 100 U/mL penicillin +
100 μg/mL streptomycin + 4500 mg/L glucose, and cultured at 37 ◦C in a 95% air/5% CO2
humidity environment. Cells were plated at a density of 8 × 103 cells/well in 96-well plates
for 3-(4,5-dimethylthiazol-2-yl)-2,5-diphenyltetrazolium bromide (MTT) assay to observe
the effect of CORT on cell’s viability. Briefly, cells were seeded and cultured in 96-well
plates for 6 h. Subsequently, we replaced the complete medium with the basal medium
and continued to culture for 12 h. Then, cells were treated with various concentrations
(1 μM, 5 μM, 10 μM, 20 μM, and 30 μM) of CORT (MedChemExpress, Prinbceton, NJ,
USA) for 24 h. Next, MTT solution (5 mg/mL in PBS, Sigma, St. Louis, MO, USA) was
added and incubated for 4 h. Afterwards, the supernatant was removed and the crystals
were dissolved with 150 μL of DMSO (Sigma, St. Louis, MO, USA). The absorbance at
490 nm was measured. The 3T3-L1 cells were then treated with 1 μM (L-CORT) and 10 μM
(H-CORT) CORT respectively for the subsequent RT-PCR and WB assay.

2.8. Statistical Analysis

Data are expressed as the mean ± standard error and were analyzed using Graphpad
Prism (version 9.4, GraphPad Software Inc., San Diego, CA, USA). One-way ANOVA
was used to statistically analyze differences between groups. p < 0.05 was considered
statistically significant.

3. Results

3.1. Effects of Monochromatic Light Exposure on Metabolic Disorders in Mice

To determine the effect of different wavelengths of light exposure on body weight and
obesity, 7-week-old mice fed with NCD or HFD were respectively raised under WL, BL, GL,
and RL exposure for 8 weeks (Figure 1A). As shown in Figure 1B, there were no significant
changes in weight gain between light colors under NCD feeding (p > 0.05). However,
under HFD feeding, BL increased weight gain by 14.2% compared with WL (p < 0.05),
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while having an insignificant change with GL (p > 0.05). Consistent with the changes
in body weight gain, light colors did not change the weights of the heart (Figure 1C),
liver (Figure 1D), spleen (Figure 1E), kidney (Figure 1F), Epi-WAT (Figure 1G), inguinal
subcutaneous adipose tissue (Ing-SAT, Figure 1H), and BAT (Figure 1I) under NCD feeding.
However, in the HFD-fed groups, BL increased the weights of most of these organs. Besides,
plasma total cholesterol (TC) was significantly elevated by BL compared to WL and RL
under both NCD and HFD (p < 0.05, Figure 1J), while there was no statistical difference in
triglycerides (TG, p > 0.05, Figure 1K). To examine the effect on glucose homeostasis, we
measured the level of fasting blood glucose (FBG) and found that BL exposure accentuated
HFD-induced increases in FBG compared with WL and RL, by 31.3% and 114.6% (p < 0.01,
Figure 1L), respectively. Results of the GTT and ITT (Figure 1M–O) and AUC values further
showed that BL sharpened insulin resistance and insulin resistance impaired by HFD
compared with WL and RL (p < 0.01).

Figure 1. Influences of monochromatic light exposure on metabolic disorders in mice. (A) Schematic
diagram of animal experiments. (B) Body weight gain (n = 7). (C–I) Weights of the heart, liver,
spleen, kidney, Epi-WAT, Ing-WAT, and BAT (n = 7). (J,K) Plasma TC and TG concentrations (n = 5).
(L) Fasting blood glucose level (n = 7). (M–O) GTT and ITT curve and relevant AUC (n = 7). The
circles represent the number of samples. The results are presented as the means ± SEM. * p < 0.05,
** p < 0.01, *** p < 0.001, **** p < 0.0001.

3.2. Effects of Monochromatic Light Exposure on WAT Hypertrophy and Inflammation in Mice

As obesity and the increased Epi-WAT weight were previously observed, we further
measured the size of adipocytes gained from the Epi-WAT sections via H&E staining
(Figure 2A). Consistently, there was also no significant change in the adipocyte density
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(p > 0.05, Figure 2B) and mean adipocyte size (p > 0.05, Figure 2C) between light colors
under NCD feeding. Nevertheless, BL reduced the adipocyte density (p < 0.001) and
enlarged the mean adipocyte size (p < 0.001) compared with WL, GL, and RL under HFD.
Based on the insignificant differences in NCD, we focused on HFD feeding in the following
study. As shown in Figure 2D–I, BL significantly inhibited the levels of IL-10 in the Epi-
WAT as compared with RL (p < 0.05), though no changes were exerted in the level of IL-6
(p > 0.05). In parallel, BL consistently increased relative protein levels of NLRP3 (p < 0.01,
Figure 2F), p-P65 (p < 0.01, Figure 2G), p-IκB (p < 0.05, Figure 2H), and TLR4 (p < 0.05,
Figure 2I) relative to WL and RL. Likewise, there was no statistical difference between BL
and GL at the level of inflammation (p > 0.05). Next, we further examined the expression of
genes related to lipid metabolism in the Epi-WAT (Figure 2J–N), including those involved
in fatty acid transporters (Cd36), de novo lipogenesis (carbohydrate response element
binding protein, Chrebp; sterol regulatory element binding protein-1C, Srebp-1c; fatty acid
synthase, Fasn), and fatty acid (FA) β-oxidation (carnitine palmitoyl transferase 1β, Cpt1β).
Compared with WL or RL, BL significantly increased the levels of Cd36, Chrebp, Srebp-1c,
Fasn, and Cpt1β (p < 0.05), while GL did not (p > 0.05).

Figure 2. Influences of monochromatic light exposure on WAT hypertrophy and inflammation in
mice. (A) H&E staining of the Epi-WAT (scale: 50 μm). (B) Adipocyte density (n = 6). (C) Mean
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adipocyte size (n = 6). (D,E) Concentrations of IL-6 and IL-10 in the Epi-WAT (n = 6). (F–I) Relative
protein expression levels of NLRP3, p-P65, p-IκB, and TLR4 in the Epi-WAT (n = 3). (J–N) Relative
mRNA expression levels of Cd36, Chrebp, Srebp-1c, Fasn, and Cpt1β (n = 6). The circles represent the
number of samples. The results are presented as the means ± SEM. * p < 0.05, ** p < 0.01, *** p < 0.001,
**** p < 0.0001.

3.3. Effects of Monochromatic Light Exposure on the Expression of Circadian Clock in the WAT

Since the metabolic abnormalities affected by light pollution may be controlled by
biological clocks, we then examined the expression of circadian-related molecules in the
WAT, including transcripts encoding Clock, Bmal1, Per1, Per2, Cry1, Cry2, Rorα, Rev-erbα,
and Rev-erbβ. Compared with WL or RL, BL consistently increased the mRNA expression
levels of Clock (p < 0.001, Figure 3A), Bmal1 (p < 0.01, Figure 3B), Per1 (p < 0.01, Figure 3C),
Cry1 (p < 0.05, Figure 3E), Cry2 (p < 0.05, Figure 3F), Rorα (p < 0.05, Figure 3G), Rev-erbα
(p < 0.05, Figure 3H), and Rev-erbβ (p < 0.05, Figure 3I), except for Per2 (p > 0.05, Figure 3D).
In parallel, BL exposure elevated the expression levels of CLOCK and BMAL1 compared to
WL or RL at the protein level (p < 0.05, Figure 3J,K).

Figure 3. Influences of monochromatic light exposure on the expression of circadian genes in the WAT.
(A–I) Relative mRNA expression levels of Clock, Bmal1, Per1, Per2, Cry1, Cry2, Rorα, Rev-erbα, and
Rev-erbβ in the Epi-WAT (n = 6). (J,K) Relative protein expression levels of CLOCK and BMAL1 in
the Epi-WAT (n = 3). The results are presented as the means ± SEM. * p < 0.05, ** p < 0.01, *** p < 0.001,
**** p < 0.0001.

3.4. Effects of Monochromatic Light Exposure on BAT Whitening and Expression Levels of
Circadian Genes in the BAT

The proper function of BAT is critical to the fight against obesity. As shown in
Figure 4A, HFD-fed mice exhibited markedly enhanced lipid accumulation (i.e., “whiten-
ing”) under WL, BL, and GL, except for RL exposure. Then we examined the expression of
genes related to lipid metabolism in the BAT. Compared to WL, BL significantly increased
the mRNA expression of uncoupling protein (Ucp) 1 (p < 0.05, Figure 4B) and Cd36 (p < 0.01,
Figure 4E), while RL significantly increased the expression of Ucp1 (p < 0.05). There were
no statistical differences in the expression of Ucp3 (p > 0.05, Figure 4C) and Cpt1β (p > 0.05,
Figure 4G) among the groups. Furthermore, consistent with the result in the WAT, BL
increased the expression of clock genes in the BAT compared with WL or RL, including
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Clock (p < 0.01, Figure 4H), Bmal1 (p < 0.05, Figure 4I), Per1 (p < 0.01, Figure 4J), Rorα
(p < 0.05, Figure 4N), Rev-erbα (p < 0.01, Figure 4O), and Rev-erbβ (p < 0.05, Figure 4P),
except Per2 (p > 0.05, Figure 4K), Cry1 (p > 0.05, Figure 4L), Cry2 (p > 0.05, Figure 4M).

Figure 4. Influences of monochromatic light exposure on BAT whitening and expression of circadian
genes in BAT. (A) H&E staining of BAT (scale: 50 μm). (B–G) Relative mRNA expression levels
of genes involved in lipid metabolism in the BAT, including Ucp1, Ucp3, Pgc-1α, Cd36, Srebp-1c,
Cpt1β (n = 6). (H–P) Relative mRNA expression levels of Clock, Bmal1, Per1, Per2, Cry1, Cry2, Rorα,
Rev-erbα, and Rev-erbβ in the BAT (n = 3). The results are presented as the means ± SEM. * p < 0.05,
** p < 0.01, *** p < 0.001.

3.5. The Role of CORT in Interference with the Adipose Circadian Clock

Finally, to investigate the mechanism by which light exposure influenced the adipose
circadian clock, we focused on the hormonal pathways of output and feedback of the
central circadian system. As shown in Figure 5A, the concentration of plasma CORT in
the HFD-fed group was significantly higher by 21.3% and 27.6% in BL compared with WL
and RL (p < 0.05), respectively. However, the concentrations of plasma melatonin (p > 0.05,
Figure 5B) and noradrenaline (p > 0.05, Figure 5C) were not statistically significant among
light colors under HFD feeding. Then, we investigated whether different wavelengths
affect the expression level of GR in the WAT. Consistently, the expression of GR in BL
was 65.9% more than that of RL (p < 0.05, Figure 5D). We then examined whether GR
transport was also affected. Compared with RL, BL significantly increased the expression
of Hsp90 mRNA (p < 0.05, Figure 5E), while there was no statistically significant difference
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in the expressions of Hsp70 (p > 0.05, Figure 5F) and P23 (p > 0.05, Figure 5G) mRNA.
Therefore, BL increased plasma CORT levels and enhanced GR synthesis and transport in
the HFD-fed mice.

Figure 5. Influences of monochromatic light exposure on CORT concentrations. (A–C) Plasma
concentrations of CORT, melatonin, and noradrenaline (n = 7). (D) Relative protein expression level
of GR in the Epi-WAT (n = 3). (E–G) Relative mRNA expression levels of Hsp90, Hsp70, and P23 in
the Epi-WAT (n = 6). The circles represent the number of samples. The results are presented as the
means ± SEM. * p < 0.05.

As CORT is one of the output and feedback signals of the central circadian system
that may drive changes in the peripheral biological clock, we hypothesized that adipose
circadian clocks may be affected by the elevated CORT. To test our hypothesis, we added
CORT to treat 3T3-L1 cell lines. As shown in Figure 6A, CORT promoted cell death in a
dose-dependent manner (p < 0.001). Compared with the control group, both L-CORT and
H-CORT increased the mRNA expression levels of Clock (Figure 6B), Per1 (Figure 6D),
and Per2 (Figure 6E). Moreover, CORT increased the mRNA expression levels of Cry1
(Figure 6F) and Cry2 (Figure 6G). Besides, CORT treatment significantly increased the
mRNA expression levels of Chrebp (Figure 6K), Cd36 (Figure 6M), Hsp90 (Figure 6O),
and P23 (Figure 6P), as well as increased levels of NLRP3 and p-P65 proteins (p < 0.05,
Figure 6Q–S).
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Figure 6. The role of CORT in interference with the adipose circadian rhythms. (A) Cell viability
(% of CON). (B–P) Relative mRNA expression levels of Clock, Bmal1, Per1, Per2, Cry1, Cry2, Rorα,
Rev-erbα, Rev-erbβ, Chrebp, Srebp-1c, Cd36, Hsp70, Hsp90, and P23 in 3T3-L1 cells treated by CORT
(n = 3). (Q–S) Relative protein levels of NLRP3 and p-P65 (n = 3). The circles represent the number
of samples. The results are presented as the means ± SEM. * p < 0.05, ** p < 0.01, *** p < 0.001,
**** p < 0.0001.

4. Discussion

The wide application of artificial lighting technology and electronic products inevitably
exposes organisms to light pollution. The effects of light pollution on metabolic diseases
such as obesity [23], impaired glucose tolerance [24], and non-alcoholic fatty liver dis-
ease [25] are partially understood, but most of this knowledge is based on nighttime WL
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exposure. There is a growing force to uncover the role and ways in which light wavelengths
in the development of obesity, especially daytime exposure.

Previous studies suggested that BL exposure at night disrupted glucose metabolism [24,26],
and continuous BL exposure aggravated HFD-induced obesity in mice [22]. Besides,
daytime GL exposure promoted the development of hepatic steatosis and pancreatic dys-
function [27]. However, there is no direct evidence of the effect of light colors on adipose
tissues, which displayed the most immediate role in obesity. Herein, we constructed a
mouse model exposed to different diurnal light wavelengths under an NCD or HFD for
8 weeks to investigate the influence of the diurnal spectrum on adipose tissues. Our results
showed that under the NCD feeding, there were no statistical differences in body weight
gain, adipose tissue weight, and WAT expansion under different light colors. Nevertheless,
these changes could be exaggerated in the case of HFD feeding. Compared with WL or
RL, BL exposure increased body weight gain, WAT’s weight, and disrupted glucose home-
ostasis. Further analysis of WAT found that BL significantly promoted WAT hypertrophy
and inflammatory response in the HFD-fed mice, accompanied by a reduction in IL-10
and an increase in the expression of NLRP3, p-P65, p-IκB, and TLR4 in BL relative to WL
and RL. Adipocytic hypertrophy is related to the abnormal increase in lipid accumulation.
Lipid metabolism in the body involves a series of processes. Activation of transcription
factors such as Chrebp and Srebp-1c contribute to FA synthesis, which is transported by
FA transporters such as Cd36 [28]. Our results showed that BL increased the mRNA level
of Cd36, Chrebp, and Cpt1β in the WAT, which may further promote lipid accumulation
and hypertrophy in the adipocyte. In parallel, BL promoted BAT whitening induced by
HFD compared with RL. However, there was no significant difference between BL and GL.
Altogether, BL may play a more critical role in adipocytic hypertrophy than WL or RL in
HFD-fed mice, and nutritional signaling may be involved in the role of synergistic light
wavelengths in mammalian lipid dysmetabolism.

To a large extent, metabolic disorders induced by irregular light have to do with
circadian clock disturbance. A normal circadian system is essential for maintaining lipid
metabolic homeostasis [29]. For instance, Clock mutant mice have a diminished daily feed-
ing rhythm and promote obesity [30]. Deletion of Bmal1 may induce higher or lower body
fat [31,32]. Normalization of the circadian clock in adipose tissue controls processes such
as lipogenesis and lipolysis, as many key enzymes involved in lipolysis and lipogenesis
are directly regulated by the circadian clocks [33]. In our study, BL exposure significantly
increased the expression levels of clock genes in the WAT compared with WL or RL, in-
cluding Clock, Bmal1, Per1, Cry1, Cry2, Rorα, Rer-erbα, and Rer-erbβ. The same was
true in BAT, i.e., BL increased the expression of Clock, Per1, and Rer-erbα compared with
RL. Therefore, we hypothesized that changes in clock genes in the WAT may be related
to abnormalities in genes involved in lipid metabolism. In addition, differences among
light wavelengths are most likely due to the short wavelength, perceived as BL, being the
strongest synchronizer of the circadian system, which synchronizes most biological and
psychological rhythms internally [34]. However, the circadian system is less sensitive to
RL because RL cannot activate melanopsin-containing retinal ganglion cells that project to
the SCN [18,35]. Hence, BL instead of RL exposure interfered with the adipose circadian
rhythms in the HFD-fed mice, which, to some extent, may support the above results.

As thus, light color-induced disruptions in the adipose circadian clock caught further
attention. Hormonal signals, including melatonin and CORT, are one of the key pathways
that SCN controlled the peripheral clock [18,36]. Hence, we inferred that light-induced
changes in the adipose circadian clock were driven by altered central circadian clock output
hormonal signals. Through measuring plasma melatonin and CORT levels, it was found
that BL significantly increased plasma CORT compared with WL and RL, while there were
no significant effects on melatonin. In addition, the BL exposure group was accompanied
by an increase in GR synthesis and transport in the WAT. Therefore, CORT may participate
in the process of driving the biological clock changes of the WAT. To further verify the
direct effect of CORT on circadian clocks, we treated 3T3-L1 cells with CORT. Both low
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and high concentrations of CORT increased the overall expression levels of the circadian
clock in cells, including Clock, Per1, and Per2, and high CORT concentration increased
the mRNA expression levels of Cry1 and Cry2. CORT treatment also increased the mRNA
levels of Chrebp, Cd36, Hsp90, and P23 mRNA, and protein levels of NLRP3 and p-P65.
Consistent in vivo and in vitro results suggest that CORT does play a vital role in disrupting
the circadian clocks of adipose tissues, which may further contribute to lipid metabolic
disorder and inflammatory response. In conclusion, in our model, long-term BL exposure
was likely to exacerbate adipose hypertrophy induced by HFD in mice, which may be
related to the change of adipose clock induced by CORT (Figure 7).

Figure 7. A schematic of our proposed model. Effects of long daytime monochromatic light exposure
on adipose hypertrophy in mice fed with HFD. BL exposure increases the level of plasma CORT,
which disturbs the circadian clocks in the WAT. Changes in circadian clocks may further regulate the
process of lipid metabolism and ultimately lead to adipose hypertrophy. CORT, corticosterone; FA,
fatty acid; HFD, high-fat diet; TG, triglyceride; WAT, white adipose tissue.

Notably, there are still some limitations within this study. Firstly, the nocturnal rodents
used here may not fully mimic the effects of daytime spectral effects in humans, as nocturnal
rodents and diurnal humans may have different physiological responses to light exposure.
Secondly, the changes in the peripheral clocks we examined were only at one point in time
rather than at various Zeitgeber times. Furthermore, we focused on the role of CORT in
interfering with the adipose clock, yet whether the same is true in BL exposure has not been
fully established. Little is known about how diurnal monochromatic light affects CORT,
which is another shortcoming of our study.

5. Conclusions

In general, our results highlight the critical role of BL exposure in shaping obesity
in HFD-fed mice. Long-term diurnal BL exposure exacerbated adipocyte hypertrophy,
most likely due to its changes in the adipose circadian clock affected by the increased
CORT. The role of monochromatic light pollution on adipose tissue opens a new avenue
for interventions against ambient monochromatic light pollution and obesity.
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Abstract: Parabens are alkyl esters of p-hydroxybenzoic acid that are commonly used in pharma-
ceutical and cosmetic products. Humans are exposed to parabens when they use these products
and through diet. There are growing concerns that paraben exposure can adversely impact human
health. The endocrine-disrupting and obesogenic properties of parabens have been observed in
animal studies and in vitro, prompting the increase in population-based studies of paraben exposure
and adiposity-related endpoints. In this review, we summarize epidemiological studies published
between 2017 and 2022 that examined paraben exposure in utero, between birth and adolescence, and
in adulthood, in relation to adiposity-related measures. Overall, these studies provide some evidence
that suggests that paraben exposure, especially during critical development windows, is associated
with adiposity-related measures. However, we have noted several limitations in these studies, includ-
ing the predominance of cross-sectional studies, inconsistent sample collection procedures, and small
sample sizes, which should be addressed in future studies.

Keywords: parabens; human exposure; adiposity-related measures (ARM); population-based studies;
endocrine disruptors

1. Introduction

Parabens are a series of alkyl esters of p-hydroxybenzoic acid. They are low-cost, broad-
spectrum antimicrobial, and antiseptic preservatives with greater effectiveness against
Gram-positive bacteria than Gram-negative bacteria. Therefore, parabens are widely used
in cosmetics, personal-care products, and pharmaceuticals to suppress microbial growth
and extend product shelf life [1–3]. Additional paraben exposure is linked to indoor air
and dust, foodstuffs, and tap water [4]. Parabens have been detected in human serum,
umbilical cord blood, urine, milk, and placental tissues, indicating systemic and early
exposure to parabens in humans [5–11]. There is an appreciable correlation between the
urinary paraben concentrations of pregnant women and their newborn infants, indicating
the transfer of the compound from the mother to the fetus [12,13].

Parabens are endocrine disruptors with demonstrated estrogenic [14–16] and an-
tiandrogenic effects [17,18]. Parabens also activate the thyroid hormone receptor [19],
peroxisome proliferator-activated receptors (PPARs) [20,21], and glucocorticoid receptor
(GR) [22,23]. Activation of PPARs and GR correlates with their adipogenic effects. Con-
sistently, parabens have been shown to promote adipogenesis in cell models of mice and
human origins [23]. Moreover, post-weaning exposure to methylparaben increases fat pad
mass, whereas post-weaning exposure to either methylparaben or butylparaben suppresses
serum markers of bone formation in chow-fed female C57BL/6J mice [24]. Furthermore,
both parabens, butylparaben, in particular, modulate mesenchymal stem cell fates by pro-
moting the adipocyte lineage at the expense of osteocytes and chondrocytes [20]. These
in vitro and animal studies suggest the obesogenic potentials of parabens.
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In this review, we summarized population-based studies published in the past five years
to assess the association of paraben exposure with the risks of adiposity-related measures.
Studies were obtained from searches of PubMed, using search terms such as “paraben,”
“obesity,” and “BMI.” Studies were grouped according to the life stage of the study par-
ticipants during exposure from in utero, birth through to adolescence, and adulthood.
Studies that only focused on paraben biomonitoring using various biological matrices were
not included in this review. In vivo and in vitro studies of parabens’ actions, the safety of
parabens in cosmetics, and the role of parabens in reproductive systems and breast cancer have
been reviewed elsewhere [25–27]; therefore, they are not in the scope of the current review.

2. Results and Discussion

2.1. Paraben Exposure in Utero and Adiposity-Related Measures

From 2017 to 2022, 13 studies explored the association between prenatal or in-utero
paraben exposure and adiposity-related measures in children (Table 1). The majority
(11 out of 13) of the studies were prospective in design. Biological matrices were collected
at various gestational ages, with urine as the predominantly measured biological matrix. A
few studies measured paraben concentrations using placentae or amniotic fluid [28–31]. The
majority of these studies showed that parabens could cross the placental barrier [28–31].
Early life exposure to parabens is associated with increases in the gestational weight
gain (GWG) rate [32], changes in height, head, hip, or arm circumference [28,30,33,34],
z-scores of bodyweight [35], BMI or BMI z-scores [31,36,37], and overweight status in early
childhood [38], although the direction of associations depends on the type of parabens and
gender (Table 1). However, results from one large-scale (n = 1015 mother–child pairs) and
one small-scale study (n = 99 mother–newborn pairs) did not show any clear association.
In the larger study [39], most (>76%) of the children had already reached puberty at the
time the adiposity-related measures were evaluated at age 11 [39]. Because the onset of
puberty has an impact on body lean and fat mass [40], the dynamic and substantial increase
in sex hormones in the participants could mask the impact of weak exogenous chemical
exposures on body weight and fat mass. In the smaller study [29], only 20% of the amniotic
fluid samples had detectable levels of methylparaben (MeP), and all other parabens were
detected in less than 2% of the samples, reducing the statistical power of the analysis.

Table 1. Association of paraben exposure in utero and adiposity-related measures (ARM).

Study/Country Sample Size
Year of Re-
cruitment

Type of Study
Time of
Sample

Collection
Matrices ARM

Major
Shortcomings

Major Findings

Güil-
Oumrait
et al. 2022,
Spain [39] a

1015 mother–
child pairs
(500 males;
515 females)

2003–2008 Prospective First and third
trimesters Urine BMI; BMI

z-score

High temporal
variability in paraben
concentrations due to
the lack of serial
urine collections over
the pregnancy;
health effects were
assessed at asingle
time point (11 years).

No association was
identified between
maternal urinary
concentrations of
parabens and
adiposity measures of
the child at 11 years
of age.
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Table 1. Cont.

Study/Country Sample Size
Year of Re-
cruitment

Type of Study
Time of
Sample

Collection
Matrices ARM

Major
Shortcomings

Major Findings

Golestanzadeh
et al. 2022,
Iran [28] b

128 pregnant
women and
142 newborns

2019–2021 Cross-
sectional

During
C-section

Amniotic
fluid

Newborn
weight, head,
chest, hip,
and arm cir-
cumference

Only women
who underwent
C-sections were
enrolled (selection
bias); small sample
size; only one spot
sample was
collected;
cross-sectional
nature of the study
design; no maternal
caloric intake was
considered in
the analysis.

BuP concentrations in
the amniotic fluids
were positively
associated with
weight, hip, and arm
circumference but
negatively correlated
with height, head,
and chest
circumference of the
newborns. MeP
concentrations in the
amniotic fluids were
negatively associated
with head
circumference, chest,
hip, and arm
circumference but
positively associated
with the height of the
newborns; EtP
concentrations in the
amniotic fluids were
negatively associated
with arm
circumference but
positively associated
with the height of the
newborns; PrP
concentrations in the
amniotic fluids were
negatively associated
with arm
circumference of
the newborns.

Reimann
et al. 2021,
Belgium [31] c

218 mother–
child pairs,
(112 males and
106 females)

2014–2017 Prospective During
delivery Placenta BMI z-score

No information was
available for the
child’s breastfeeding
status, caloric intake,
or postnatal paraben
exposure; only one
spot sample was
collected.

Placental EtP
concentrations were
negatively associated
with children’s BMI
z-scores.

Hojsager
et al. 2021,
Demark [36] d

312 mother–
child pairs

2010 and
2012 Prospective Early third

trimester Urine
Fat mass,
body mass;
BMI z-score

The women enrolled
in the study were
older and more
often nulliparous
compared to the
background
population (selection
bias); no information
was available about
weight gain during
pregnancy; only one
spot sample was
collected; childhood
exposure to
parabens was not
assessed; childhood
caloric intake was
not considered in the
analysis.

Maternal urinary BuP
concentrations were
positively associated
with total body fat
percentage and
android fat
percentage in boys.

Karzi et al.
2021,
Greece [29]

99 mother–
newborn pairs
(41 males;
44 females)

Unknown Prospective Second
trimester

Urine/
amniotic
fluid

Birth
weight,
length, and
head cir-
cumference

Low prevalence of
parabens detected
in amniotic fluid;
small sample size;
only one spot
sample was
collected; maternal
caloric intake was
not considered in
the analysis.

No association was
identified between
maternal parabens in
either urine or
amniotic fluid and
adiposity-related
measures in the
newborns.
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Table 1. Cont.

Study/Country Sample Size
Year of Re-
cruitment

Type of Study
Time of
Sample

Collection
Matrices ARM

Major
Shortcomings

Major Findings

Berger et al.
2021, United
States [38] e

309 mother–
child pairs Since 1999 Prospective

First and
second
trimesters

Urine

BMI, BMI
z-score; over-
weight/obese
status

Lack of ability to
assess sex-specific
associations;
childhood exposure
to parabens was
not assessed.

Maternal urinary PrP
concentrations were
positively associated
with BMI z-scores and
overweight/obesity
status of the child at 5
years of age.

Vrijens et al.
2020,
Belgium [30]

142 mother–
child pairs
(74 males;
66 females)

2014–2016 Cross-
sectional

During
delivery Placenta

Birth
weight,
length, and
head cir-
cumference

Cross-sectional
nature of the study
design; small
sample size; only
one spot sample
was collected;
maternal caloric
intake was not
considered in
the analysis.

Placental total
parabens were
negatively associated
with birth weight and
head circumference
in girls; EtP
concentrations were
negatively associated
with head
circumference
in girls.

Wen, et al.
2020,
China [32]

613 pregnant
women 2014–2015 Prospective During each

trimester Urine

Gestational
weight gain
(GWG) and
GWG rate
(kg/week)

Neither the
frequency of use of
personal care
products during
pregnancy nor
maternal caloric
intake was
considered in
the analysis.

First-trimester MeP,
EtP, PrP, and total
parabens levels in the
women’s urine were
positively associated
with an increase in
the GWG rate of the
first-trimester, and
these associations
were stronger than
those of the second or
third trimesters.

Jamal et al.
2020,
Iran [33]

189 mother–
child pairs
(66 males;
92 females)

2016 Prospective First trimester Urine

Birth
weight,
length, and
head cir-
cumference

Small sample size;
only one spot
sample was
collected; maternal
caloric intake was
not considered in
the analysis.

Maternal urinary BuP
concentrations were
positively associated
with the birth weight
of boys; maternal
urinary PrP
concentrations were
negatively associated
with the birth length
of girls; maternal
urinary MeP and BuP
concentrations were
positively associated
with the head
circumference
in girls.

Leppert,
et al. 2020,
German [37] f

626 mother–
child pairs,
(108 males;
115 females)

2006–2008 Prospective Third
trimester Urine BMI

No information
was available for
postnatal paraben
exposure; only one
spot sample was
collected;
childhood caloric
intake was not
considered in
the analysis.

Maternal urinary BuP
concentrations were
positively associated
with the overweight
status of the children
within the first eight
years of life, with a
stronger trend
observed in girls.

Chang et al.
2019,
Taiwan [34]

199 mother–
child pairs
(99 males;
100 females)

2014–2015 Prospective Third
trimester Urine

Birth
weight,
body length,
head, and
thoracic cir-
cumference;
Ponderal
Index

Small sample size;
highly educated
pregnant women
were enrolled in
the study (selection
bias); only one spot
sample was
collected; maternal
caloric intake was
not considered in
the analysis.

Maternal urinary MeP
concentrations were
positively associated
with the head
circumference and
Ponderal Index in
boys; maternal urinary
MeP concentrations
were negatively
associated with the
birth weight, length,
head circumference,
and thoracic
circumference in girls.
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Table 1. Cont.

Study/Country Sample Size
Year of Re-
cruitment

Type of Study
Time of
Sample

Collection
Matrices ARM

Major
Shortcomings

Major Findings

Wu, et al.
2019,
China [35] g

850 mother–
child pairs
(446 males;
404 females)

2014–2015 Prospective During each
trimester Urine

Z-scores for
weight and
height

High temporal
variability in
paraben
concentrations
throughout
pregnancy;
postnatal paraben
exposure was
assessed.

Maternal urinary EtP
concentrations were
negatively associated
with the weight
z-scores of the child
at birth;
third-trimester
urinary EtP
concentrations were
negatively associated
with the weight
z-scores at birth, 1
and 2 years in boys.

Wu, et al.
2017,
China [41]

1016 mother–
child pairs
(527 male;
489 females)

2012–2014 Prospective
Within three
days before
delivery

Urine Birth length
and weight

Only one spot
sample was
collected; maternal
caloric intake was
not considered in
the analysis.

Maternal urinary
MeP concentrations
were positively
associated with the
birth length in boys.

Footnotes: a BMI information was collected at 11 years of age; b number of male and female newborns was not
provided; c a subset of 63 newborns was followed for 29 months to monitor BMI z-scores; d number of male
and female newborns was not provided; adiposity-related measures were assessed at 7 years of age; e number
of male and female newborns was not provided; adiposity-related measures were assessed at 5 years of age;
f newborns were followed from 1 to 8 years of age; g adiposity-related measures were assessed at birth, 6 months,
1, and 2 years of age.

Overall, these 13 studies suffer from methodological issues that hamper the interpre-
tation of the results. Most of the studies only collected single-spot samples. One major
weakness of all the studies is the lack of information regarding whether urine samples
were collected consistently in a defined manner or at a defined time point (for example,
first-morning fasting urine), which would help ensure measurement validity and relia-
bility. The variability in the timing of urine collection could have affected the exposure
estimation for chemicals such as parabens with short half-lives [42]. Furthermore, with
single-spot samples, the varied timing of exposure assessment in relation to gestational
age may introduce exposure bias, in that the urinary paraben concentrations measured
during the later gestational stage may not reflect the level of paraben exposure during the
earlier pregnancy [43]. The standardization of exposure assessments should be, therefore,
an important consideration in future studies. In addition, the concentrations of parabens in
a sample depend on the source of paraben exposure and the time when the last exposure
occurred before the sample collection [44]. When exposure to different parabens varies
over time, repeated measures of exposure will reduce bias in exposure estimation. Finally,
in all the studies that carried out postnatal follow-ups with the children, postnatal paraben
exposure was not measured for these children; therefore, it is unknown how postnatal
exposure of parabens might have contributed to the trajectories of adiposity measures in
these studies.

Although the overall evidence supports an association between paraben exposure
in utero and the risks of subsequent adiposity-related measures, we cannot make any
conclusions regarding potential effect modifications by factors such as gender, which have
shown conflicting results. Hu et al. reported that the adipogenic potency of parabens
depends on the length of the linear alkyl chain [23]. Longer chain parabens are also more
estrogenic compared to their shorter counterparts [45]. Estrogens play a critical role in
the development of obesity [46,47] and parabens interfere with the estrogen metabolism
pathway [48,49]. In vitro maternal butylparaben (BuP) exposure increases the weight
of female offspring, but not male offspring mice [37], which may support the observed
gender-specific effects in some of the studies, although the latter has not been consistent
(Table 1) [30,33–37,41]. Both estrogen and androgen are critical in regulating adiposity and
metabolism. The concentrations of endocrine disruptors in local tissues and organs may
determine the unbalanced steroid hormone action [50]. Therefore, the exact molecular
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mechanisms responsible for the gender-specific effects of prenatal paraben exposure on
several adiposity-related measures warrant further investigation.

It is also possible the different results from these studies are due to the heterogeneity
in paraben exposure profiles in different populations [32]. Propylparaben (PrP) was the
most relevant chemical in the mixture in Berger’s study conducted in the United States [38],
while in the Spanish Environment and Childhood project (INMA), PrP minimally con-
tributed to the mixture [39]. Paraben content can also vary substantially among different
food products [51]. Furthermore, among the early-life adiposity-related measures (for
example, gestational weight gain (GWG), GWG rates, length at birth, head, arm, hip, chest
circumference, BMI, BMI z-score and percentage of fat), the most reliable predictor(s) for
subsequent later-life health outcomes is yet to be determined [36,52–55].

The current literature suggests that prenatal exposure to parabens interferes with the
programming of endocrine signaling pathways that could lead to the observed changes
in adiposity in children. Therefore, as a precaution, pregnant women should consider
reducing their use of cosmetic products with high paraben contents, using alternative
products that do not contain parabens, and possibly reducing paraben exposure from
dietary sources [51]. Future studies on prenatal paraben exposure and adiposity-related
outcomes in children may need to quantify dietary paraben exposure and frequency of
cosmetic product applications or the type of cosmetic products used before and during
pregnancy in mothers, to improve the accuracy of exposure estimation. The collection of
data from matrices, in addition to urine, should also be considered. For instance, as the
largest fetal organ, the placenta may better reflect fetal paraben exposure [56]. Caution
is also needed when interpreting data with a low detection rate of certain parabens in
the biological samples used. In some studies, the concentrations of certain parabens in
most samples were lower than the limit of detection (LOD); therefore, dichotomization
(e.g., paraben levels were treated as a binary variable, either below LOD or above LOD)
was used for data analysis [33,35,36], leading to the loss of information and statistical
power [57]. Dichotomization may also increase the chance of false-positive findings [58]. In
addition, the threshold effects and dose-dependent associations cannot be examined when
dichotomization is applied [36]. A few studies used mixed-pollutant models to account
for the complex exposure patterns of common endocrine disruptors while controlling for
potential co-pollutant confounding [38,39]. However, models such as Bayesian hierarchical
models (BMH) and Bayesian kernel machine regression (BKMR) cannot function with
missing data and/or are sensitive to outliers [38,39,59], leading to reduced sample sizes.
Future studies should continue to develop statistical models that more accurately and
completely capture human chemical exposures.

2.2. Paraben Exposure during Adolescence and Adiposity-Related Measures

Six studies have explored the association between postnatal paraben exposure and
adiposity-related measures in children of various ages (all under 20 years of age) (Table 2).
Postnatally, pharmacological, personal-care products and dietary intake are the major
sources of paraben exposure [60]. The majority (5 out of 6) of the studies were cross-
sectional. Therefore, causal inference is limited, and the causal direction between these
factors cannot be established. A one-time urine sample was the predominant matrix,
although one study used daily intake of parabens from food sources to assess adiposity-
related measures [41,51]. Results from these studies are mixed, showing positive [41,51,61],
inverse [62,63], and null [64,65] associations. Further complicating the interpretations,
one study found an association only in boys [61], whereas another found an association
only in girls [51]. Thus, these studies do not clearly support any association between
postnatal adolescent paraben exposure and adiposity-related measures. A major challenge
with studies on adolescent exposure is the dynamic changes in sex hormones and the
circadian rhythms of other hormones during the adolescent years, which are likely to
affect paraben exposure. Standardized sample collection may help to minimize such
confounding effects. In addition, these studies relied on a single-spot urine sample, which

56



Int. J. Environ. Res. Public Health 2022, 19, 16268

is another potential source of bias. Furthermore, most postnatal exposure studies did not
collect dietary information [51,63]. If foods containing the most parabens are also the most
calorific, then dietary confounding factors would present considerable threats to causal
inference regarding paraben exposure [66].

Overall, the literature on paraben exposure and adiposity-related measures in ado-
lescents remains sparse and inconsistent. As mentioned above, both methodologic and
adolescent-specific sources of error hamper the interpretation of this literature. Prospective
studies with standardized and repeated sample collection are needed. Studies should
also capture dietary information to accurately estimate paraben exposure and identify
confounding dietary factors, such as total energy intake.

Table 2. Association of paraben exposure during adolescence and adiposity-related measures (ARM).

Study/Country
Sample Size

(Male/Female)
Year of Re-
cruitment

Type of Study Matrices

Time of
ARM

Assess-
ment

(Years of
Age)

ARM
Major

Shortcomings
Major Findings

Monteagudo
et al. 2021,
Spain [51]

585 (313/272) 2017–2018 Cross-
sectional Food 12–16 BMI

Only the dietary
sources of paraben
exposure were
assessed;
cross-sectional
nature of the study
design; paraben
concentrations
were not measured
in biological
samples; caloric
intake was not
considered in the
analysis.

High total parabens
and MeP daily intake
were associated with
high BMI in girls but
not boys.

Feizabadi
et al. 2020,
Iran [62]

100 (50/50) unknown Cross-
sectional Urine 12–20

Weight,
BMI; waist
circumfer-
ence

Small sample size;
cross-sectional
nature of the study
design; only one
spot sample was
collected; caloric
intake was not
considered in the
analysis.

Inverse associations
were identified
between urinary
concentrations of
paraben (MeP and
EtP) and BMI.

Kim et al.
2020,
Canada [64]

1418 (695/723) 2014–2015 Cross-
sectional Urine 3–17

Height,
weight, BMI;
waist cir-
cumference

Cross-sectional
nature of the study
design; only one
spot sample was
collected.

No association was
identified between
urinary paraben
concentrations and
BMI z-score or waist
circumference.

Quirós-
Alcalá et al.
2018, United
States [63]

1324 (684/640) 2007–2012 Cross-
sectional Urine 6–19

BMI z-score;
waist cir-
cumference

Cross-sectional
nature of study
design; only one
spot sample was
collected.

Negative associations
were identified
between urinary MeP,
PrP, and total parabens
concentrations and the
prevalence odds ratios
of being obese vs.
normal weight;
negative associations
were identified
between urinary MeP,
PrP, and total parabens
concentra-tions and
waist circumference.
The associations were
stronger in girls.

Deierlein
et al. 2017,
United
States [65] a

1017 (0/1017) 2004–2007 Prospective Urine 12.8–18.4

Weight,
height,
waist cir-
cumference,
BMI;
percent
body fat

Only females were
enrolled in the
study; only one
spot sample was
collected; caloric
intake was not
considered in the
analysis.

No association was
identified between
baseline total paraben
concentrations in
urine and girls’
adiposity-related
measures.
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Table 2. Cont.

Study/Country
Sample Size

(Male/Female)
Year of Re-
cruitment

Type of Study Matrices

Time of
ARM

Assess-
ment

(Years of
Age)

ARM
Major

Shortcomings
Major Findings

Guo et al.
2017,
China [61]

436 (221/215) 2012–2013 Cross-
sectional Urine 3

Weight
z-score,
height
z-score,
weight for
height z-
score; BMI
z-score

Cross-sectional
nature of study
design; only one
spot sample was
collected; caloric
intake was not
considered in the
analysis.

Urinary EtP
concentrations were
positively associated
with weight z-scores
and height z-scores.
Total paraben
concentrations were
associated with
anthropometric
measures only in boys.

Footnotes: a Girls were enrolled at 6–8 years of age. Adiposity-related measures were assessed yearly or biannually
until they were 15.6 years of age on average (range: 12.8–18.4 years of age); weight, height, and waist circumference
were recorded at baseline. BMI, waist circumference, and percentage of fat were measured at each visit.

2.3. Paraben Exposure during Adulthood and Adiposity-Related Measures

As in the case of adolescents, adults are also primarily exposed to parabens through
pharmacological and personal-care products (PPCPs) and dietary sources [51]. Twelve
studies in the past five years have investigated the association between the concentration
of parabens in urine and adiposity-related measures in adults (Table 3). Overall, seven
studies suggest an inverse association between paraben exposure and adiposity-related
measures (Table 3). Urinary concentration of parabens has been shown to increase with
the frequency of the use of personal-care products, specifically “leave-on products” or
products applied over a wider skin surface [67]. Urinary concentration of parabens also
varies with age, which may reflect age-related changes in lifestyle, food exposure, and
endocrine disruptor metabolism rates [60]. As urine is the most common biological matrix
in these studies, a major limitation is the lack of consistency in urine sample collection. In
some studies, participants provided first-morning/early-morning urine samples [62,68,69],
whereas, in other studies, the timing of urine collection was different, even within the
same study [65,67,70]. In some studies, fasting morning samples were collected from
at least a portion of the participants [7,67], while in other studies, no such information
was provided [29,62,64,68,71–73]. Seasonal variability in EDS concentrations in urine,
including parabens, is well documented [69,70]; however, seasonal timing of exposure was
not considered in most of these studies.

BMI and/or waist circumference (predictors of abdominal adiposity) were measured
in all twelve studies. Yet, the diet was not considered in most studies, which is an important
source of paraben exposure and a confounder when adiposity-related measures are consid-
ered. The majority (10 of 12) of these studies were cross-sectional (Table 3); therefore, the
results cannot be used to determine the causal relationship. Regarding prospective studies,
one study had a small sample size (n = 73), with a single spot-urine sample collected nine
years prior to the assessment of the adiposity-related measures [73]. Therefore, it is un-
known whether the level of paraben exposure during this 9-year period remained constant
or not. In another study, women in one group (the metabolic group) were approximately
three years older than the non-metabolic group, but the participants’ menopausal status
was not examined [73]. The menopausal transition period in aging women is strongly
associated with weight gain [74].

One-third of the studies (4 of 12) did not find an association between parabens and
BMI (Table 3), including the only study that considered dietary sources of parabens [7].
Moreover, these four studies were statistically underpowered, especially for sub-analysis
by gender or other potential effect-modifying factors. Among the remaining eight studies,
all but one [72] demonstrated an inverse relationship between paraben exposure and BMI,
or that higher baseline paraben exposure was associated with reduced weight loss in
response to a calorie-restriction intervention [75]. Interestingly, one of the largest studies,
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conducted in Korea with 3782 participants [72], showed that urinary ethylparaben (EtP)
concentrations were positively associated with BMI, whereas a study conducted in the US
using NHANES showed an inverse association [63]. The reasons for the inconsistency are
unknown. However, the relatively short half-lives of parabens, varying uses of personal-
care products by the two different populations [72], differences in the time frame during
which the participants were recruited (2007–2014 in NHANES vs. 2015–2017 in Korean
study) [63,72], the timing of sample collection, and unknown methodological issues or bias
may have affected the estimation of urinary paraben concentrations, therefore influencing
the strength and/or direction of the associations. For example, no fasting was required
for those participants with afternoon or evening appointments to provide urine in the
NHANES cohort (2007–2008) [76].

Table 3. Association of paraben exposure during adulthood and adiposity-related measures (ARM).

Study/Country
Sample Size
(Male/Female)

Year of Re-
cruitment

Type of
Study

Matrices
Time of ARM
Assessment

(Years of Age)
ARM

Major
Shortcomings

Major Findings

Jala et al. 2022,
India [71] 52 (0/52) 2020 Cross-

sectional Urine 18–31
BMI;
waist-to-hip
ratio (WHR)

Small sample size;
cross-sectional
nature of the study
design; only
females were
enrolled in the
study (selection
bias); only one spot
sample was
collected; caloric
intake was not
considered in the
analysis.

No association was
identified between
urinary paraben
concentrations and BMI
or waist-to-hip ratio.

Vindenes et al.
2021,
Norway [67]

496
(258/238) 2014–2015 Cross-

sectional Urine 18.1 to 47.5 BMI

Cross-sectional
nature of the study
design; only one
spot sample was
collected; caloric
intake was not
considered in the
analysis.

Urinary concentrations
of MeP and EtP were
negatively associated
with BMI.

van der Meer
et al. 2021, the
Netherlands [75] a

218 (70/148) 2008–2010 Prospective
intervention Urine Average 52

BMI, waist cir-
cumference,
body fat
percentage

The study did not
have a control
group.

Higher baseline
urinary paraben
exposures were
associated with
reduced weight loss
in a calorie-restriction
intervention.

Lee et al. 2021,
Korea [72]

3782
(1648/2134) 2015–2017 Cross-

sectional Urine 19–86 BMI

Cross-sectional
nature of the study
design; only one
spot sample was
collected; caloric
intake was not
considered in the
analysis.

Urinary EtP
concentrations were
positively associated
with BMI.

Zamora et al.
2021,
Mexico [73]

73(0/73) 2008 Prospective Urine 46.6 ± 6.3
BMI; waist
circumfer-
ence

Small sample
size; potential
confounding effect
caused by the
menopausal status
of the participants;
only females were
enrolled (selection
bias); only one spot
sample was
collected; paraben
exposure was
assessed 9 years
prior to the
measurement of
adiposity-related
outcomes; caloric
intake was not
considered in
the analysis.

No association was
identified between
urinary paraben
concentrations and BMI
or abdominal obesity.
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Table 3. Cont.

Study/Country
Sample Size
(Male/Female)

Year of Re-
cruitment

Type of
Study

Matrices
Time of ARM
Assessment

(Years of Age)
ARM

Major
Shortcomings

Major Findings

Karzi et al. 2021,
Greece [29] b 99 (0/99) Unknown Cross-

sectional Urine 18.0 to 44.0 BMI

Small sample size;
cross-sectional
nature of the study
design; only
females were
enrolled (selection
bias); only one spot
sample was
collected; caloric
intake was not
considered in the
analysis.

No association was
identified between
urinary paraben
concentrations
and BMI.

Kim et al. 2020,
Canada [64]

1137
(568/569) 2014–2015 Cross-

sectional Urine 46.2 ± 0.3
BMI; waist
circumfer-
ence

Cross-sectional
nature of the study
design; only one
spot sample was
collected.

Negative associations
were identified
between urinary MeP
and total parabens
concentrations and
obesity and waist
circumference
in women.

Kiani Feizabadi
et al. 2020,
Iran [68]

178 (75/103) Unknown Cross-
sectional Urine 43.7 ± 11.8 BMI

Small sample size;
cross-sectional
nature of the study
design; only one
spot sample was
collected; caloric
intake was not
considered in the
analysis.

Negative associations
were identified between
urinary MeP
concentrations and BMI.

Hajizadeh et al.
2020, Iran [69] c 95 (0/95) 2018 Cross-

sectional Urine 34.2 ± 8.2
BMI; waist
circumfer-
ence

Small sample size;
cross-sectional
nature of the study
design; only
females were
enrolled (selection
bias); only one spot
sample was
collected; caloric
intake was not
considered in the
analysis.

Negative associations
were identified between
urinary EtP
concentrations and BMI.

Bethea et al.
2020, United
States [70] d

766 (0/766) 2010–2012 Cross-
sectional Urine 23–34 BMI

Participants were
recruited from a
single urban area
(selection bias);
cross-sectional
nature of the study
design; only one
spot sample was
collected; no
dietary information
was available.

Urinary concentrations
of MeP and BuP were
negatively associated
with morbid obesity
(BMI ≥ 35 kg/m2)
compared to BMI < 25.

Yu et al. 2019,
China [7] 562 (550/12) 2013–2015 Cross-

sectional Urine 22–59 BMI

Cross-sectional
nature of the study
design; only one
spot sample was
collected; only
12 women were
enrolled
(unbalanced study
design); caloric
intake was not
considered in the
analysis.

No correlations were
identified between
urinary concentrations
of parabens (MP, EtP,
and PrP) and BMI.

Quirós-Alcalá
et al. 2017,
United
States [63]

4730
(2306/2424) 2007–2014 Cross-

sectional Urine 49.6 ± 17.4
BMI; waist
circumfer-
ence

Only one spot
sample was
collected;
cross-sectional
nature of the study
design.

Urinary MeP
concentrations were
negatively associated
with prevalence odds
ratios for obesity and
adiposity measures;
Stronger associations
were observed
in females.

Footnotes: a All participants with a BMI > = 27 kg/m2 were enrolled; b,c only pregnant women were enrolled in
these studies; d a study of a vulnerable population from Detroit, Michigan metropolitan area.
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The association between urinary paraben concentrations and adiposity-related mea-
sures may also depend on how urinary paraben concentrations were adjusted. Urinary
creatinine (UC), specific urinary gravity (SG), and covariate-adjusted standardization (CAS)
are methods of adjustment for urine dilution, with UC and SG being the most common.
The choice of the method should not be arbitrary; for example, in one study [72], a positive
association between EtP and BMI was revealed when CAS was used to adjust paraben
concentrations in urine but was not observed when UC or SG was used. The concentration
of urinary creatinine is influenced by age, race/ethnicity, gender, and muscle mass. Future
studies should determine if the use of the CAS adjustment method is valid across popula-
tions or race-/ethnicity-dependent. Therefore, the choice of urine normalization method
should be validated and standardized.

3. Expert Opinion and Future Directions

Early-life determination of adult health theory suggests that there is a vulnerable
biological window during which exposure to sufficient doses of endocrine disruptors is
associated with an increased risk of adverse health outcomes [77]. Results of human studies
from multiple countries indicate that parabens can cross the placental barrier [28–31].
Fetal exposure to parabens is associated with altered gestational weight gain [32], height,
head, hip, or arm circumference [28,30,33,34,41], z-scores of weight and length [35], BMI
z-scores [31,38], and overweight status in early childhood [38]. One of the most significant
challenges in the interpretation of this literature is that few studies were initially designed to
examine parabens. For instance, the environmental exposure components were often added
at a later research stage, resulting in only one single-spot urine sample, or urine samples
were missing for many study participants. Thus, estimates of paraben concentrations
from many of these studies may not be representative of exposure over the targeted time
periods. Several recent longitudinal cohort studies did not have an adequate sample size
to detect small effects or allow stratified analyses based on gender, race/ethnicity, or pre-
pregnancy BMI status [29,71,73]. Thereby, there is a great need to carry out large, long-term
cohort studies with repeated measurements of chemical exposures across a broad range of
developmental periods to elucidate their effects on childhood and adult health outcomes.

The absorption and metabolism of parabens depend on the length of the carbon chain,
which varies across the types and brands of consumer products. The composition of
paraben profiles in human samples is often population- and/or region-specific, influenced
by the local environment, how the specific pharmaceutical and personal-care products are
used, as well as by varying dietary cultures/lifestyles [51,68,72]. The existing literature
suggests several other ways that future investigations may advance the current knowledge.
For example, BMI or BMI-z scores may not be an appropriate outcome variable when
measuring body development in newborns and preadolescents [53,54]. Instead, whole-body
dual X-ray absorptiometry [36] might be more effective in estimating body composition in
these age groups.

As in adolescence, pregnancy is a biological stage characterized by dynamic changes
in circulating hormones, glucose, proteins, and kidney function, which could affect the
osmolarity of urine samples [78,79]. Urinary analyte concentrations are also susceptible to
variations by the time of the day [80] and the season when the samples are collected [69,70],
inherited inter-individual differences in toxicokinetics, and physiological characteristics of
the biomonitoring matrix [13]. Therefore, in addition to spot urine samples, these sources of
variation need to be addressed when designing future studies. Urinary creatinine remains
the most widely used method for adjusting urine dilution. Research from Lee’s group,
however, showed that different methods of urine dilution adjustment might change the
magnitude, and even the direction, of the associations between paraben exposure and
metabolic-syndrome-related components [72]. Measurement of urinary analytes over 24 h
is currently the most definitive method to quantify endocrine disruptor exposure. However,
prolonged urine collection is inconvenient and often inaccurate due to frequent collection
errors [81]. Alternatively, sampling biometrics, such as hair, may help to improve exposure
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assessment due to the accumulation of endocrine disruptors during hair growth. Hair is a
relatively easy sample to obtain and analyze [82] and can, therefore, be sampled frequently,
but the validity and repeatability of this method require further study.

Humans are exposed to multiple environmental pollutants daily. However, many
published human studies reviewed here used single-pollutant models to assess paraben
exposure and the associated health impacts. Bayesian mixture pollutant models might
be a better analytical approach to account for complex exposure patterns and potential
co-pollutant synergy [38,39]. Furthermore, many studies reported in this review measured
exposure to parabens several years ago [7,32,33,36,39,63,64,67,70,72,73], which may not ac-
curately reflect the types or levels of parabens prevalent in humans today. Paraben content
in consumer products changes over time, partially due to the rise of public awareness and
tightening regulatory guidelines in personal-care products and food [83,84]. Age, race,
location, and gender-specific associations between paraben exposure and adiposity-related
measures should be priorities of future studies due to the likelihood of higher endocrine
disruptor exposure in vulnerable populations.

Finally, increasing evidence also highlights the importance of epigenetics as a func-
tional modifier of the genome and a key determinant of disease risk [85]. For example,
it has been suggested that the interaction of leptin receptor polymorphism and dietary
intake of parabens may increase BMI [31]. Leptin receptors, together with leptin secreted
from adipocytes, serve as a signal of satiety in the central nervous system, which controls
food intake and subsequent energy expenditure. The inclusion of an epigenetic and/or
genetic polymorphism component in future population studies may help to elucidate the
interaction between paraben exposure and the key genes underlying obesity predisposition
and outcomes [31,86,87].
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Abstract: The weathering and leaching of mining tailings have released large amounts of antimony
(Sb) and arsenic (As), causing serious pollution in the surrounding soil, water, and sediments. To
understand the leaching characteristics of Sb and As in mining tailings, Zuoxiguo and Qinglong
mining tailings were collected for analysis. The average content of Sb in Zuoxiguo and Qinglong
tailings was 5902.77 mg/kg and 1426.43 mg/kg, respectively, while that of As was 412.53 mg/kg
and 405.26 mg/kg, respectively, which exceeded the local background value. Furthermore, the
concentrations of Sb in the leachate of Zuoxiguo and Qinglong increased with time; the average
Sb concentration in the leachate of Zuoxiguo and Qinglong was 1470.48 μg/L and 70.20 μg/L,
respectively, while that of the As concentration was 31.20 μg/L and 6.45 μg/L, respectively. This
suggests that the concentrations of Sb and As in the leachate of Zuoxiguo are both higher than those
in the leachate of Qinglong and that the pH of the leachate of Zuoxiguo and Qinglong significantly
changed within the first day under different initial pH conditions, and tended to be between 6 and
8, after one day. The results of the average health risk index showed that As in the leachate from
Zuoxiguo and Qinglong for children was 5.67 × 10−4 and 9.13 × 10−5, respectively, and 4.43 × 10−4

and 7.16 × 10−5, respectively, for adults. As in the leachate from Zuoxiguo poses serious carcinogenic
risks for residents, and in the study area, As poses a serious threat to human health. Therefore, the
local government must manage As in these areas.

Keywords: mining tailings; leachate; chemical Sb and As species; scanning electron microscope;
health risk assessment

1. Introduction

Mining tailings are one of the most important contributors to heavy metal pollution [1].
Indeed, mining activities increase the levels of heavy metals in agricultural soils, surface
water, groundwater, and plants in surrounding areas [2–4] and pose significant health risks
to residents and miners [5,6]. Mineral resources dominate China’s energy consumption [7];
however, despite China’s development has gained economic benefits, heavy metal pollution
has increased [8]. Heavy metals in mining tailings can be transferred through weathering
and rainfall to the surrounding soils and water bodies [9]. Liquids are a key medium
for the migration of heavy metals from tailings [10], which can be leached by rainfall
and subsequently migrate with surface runoff or leachate before being absorbed by the
mechanistic components of soils and sediments [11]. Heavy metal pollution from mining
activities, tailing weathering, and leaching is a significant challenge in southwest China [12].
The reported levels of antimony (Sb) and arsenic (As) in soil, water bodies, and vegetation
around the Xikuangshan mine, an active antimony mine located in southwest China,
exceed those of local background levels [13–15], which can adversely affect the surrounding
environment and residents.
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Sb is a heavy metal with a density of >5 g/cm3 [16], while As is categorized as a heavy
metal [17]. As and Sb pollution in the natural environment is persistent, non-degradable,
and irreversible [18], which has become a major concern [19,20], especially in antimony
mining areas, where As and Sb pose a significant health risk to residents and animals [21].
Sb and As contents in hair samples from residents near antimony mine were observably
higher compared with those in non-mining areas, suggesting that the Sb and As released
from Qinglong mining areas adversely affect human health [22]. Sb has attracted significant
attention due to its toxicity and environmental pollution [23]. However, along with As,
data on Sb environmental and health risks are limited compared with other heavy metals
such as Pb, Zn, Cd, and Cu [24].

The study of the leaching characteristics of heavy metals in tailings can provide insights
into their impact on groundwater and soil [25,26]. Previous studies have identified the risks
associated with the leaching of heavy metals in tailings on the soil environment [27]. More-
over, the release of heavy metals in tailings is not only influenced by the total concentration
of heavy metals and the pH of tailings but also the chemical species of heavy metals [27,28].
In addition, the leaching of heavy metals under different environmental conditions can be
simulated [29]; hence, their threat to the ecology in the area and surrounding populations
can be assessed.

Therefore, in this study, Zuoxiguo and Qinglong antimony mines were selected in
southwest China as the study areas to: (1) investigate the total content of As and Sb in the
tailings and tailings components; (2) study the leaching characteristics of As and Sb in the
tailings based on the concentration of As and Sb in the leachate and the chemical species of
As and Sb in the tailings under different initial pH conditions; and (3) derive the health
risks following human consumption of As and Sb in the leachate and provide suggestions
to policy makers to mitigate such risks.

2. Materials and Methods

2.1. Study Area

Qinglong antimony mine (approximately 25◦33′—26◦11′ N, 105◦01′—105◦25′ E), lo-
cated in Dachang Town, Qinglong County, Guizhou Province, has an average annual
temperature of 17 ◦C and precipitation of approximately 1500 mm, as the area hosts a
subtropical monsoon climate. Zuoxiguo antimony mine (approximately 23◦22′—23◦41′ N,
103◦31′—103◦57′ E), located in Zuoxiguo Village, Beige Town, Kaiyuan City, Yunnan
Province, hosts a subtropical plateau monsoon climate, with distinct dry and wet seasons.
The area has an annual average temperature of 24.2 ◦C and rainfall of 1450 mm. The
mining history of these two typical Sb mines is extensive [18], posing a serious heavy metal
pollution challenge. Qinglong and Zuoxiguo antimony mines have terminated production
for many years [30,31].

2.2. Sampling and Sample Preparation

According to the different landforms of the two antimony mines, the sampling layout
in the two tailings were also different. After removing the sundries horizons from the
sampling sites, samples were drilled via the method of mixed sampling. The landform of the
Zuoxiguo antimony mine is an open-type, and heavy metals could easily migrate along the
direction of water flow; therefore, six 30 cm samples were collected from high to low using
a stainless-steel shovel in each sample square via the double diagonal five-point mixing
method. In contrast, the Qinglong antimony mine is surrounded by mountains, while the
middle is a basin where heavy metals are more likely to migrate and diffuse downwards
and are less likely to migrate over long distances. A total of one tailing sample was collected
(Figure 1). Each sample was marked with a marker pen, and the location of every sampling
site was recorded using the global positioning system (GPS). All samples were freeze-dried
for 5–7 days to prevent oxidation. Once dried, part of each sample was ground with an
agate mortar by hand, and the powdered samples were sieved through a <10-mesh sieve
for sand property determination and <200-mesh sieve for element analysis. Tailing sample
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pieces (0.05 g) were accurately weighed and dissolved in a 3 mL acid mixture with a 2:1
volume ratio of concentrated HNO3 and concentrated HF to analyse the total content of
heavy metals. Sb and As concentrations in the extracts were analysed using an atomic
fluorescence spectrometer (AFS-8510, China).

 

Figure 1. Location of the two typical antimony mines.

2.3. Sequential Extraction and Leaching Test

Chemical species of tailings were extracted using improved sequential extraction
(BCR). Briefly, the acid-soluble fraction (F1) was extracted using 40 mL 0.11 mol·L−1

CH3COOH; then, the reducible fraction (F2) was extracted with 40.00 mL 0.50 mol·L−1

hydroxylamine hydrochloride (NH2OH·HCl), while the oxidizable fraction (F3) was di-
gested with 10.00 mL 8.80 mol·L−1 NH2OH·HCl and extracted with 50.00 mL 1.00 mol·L−1

ammonium acetate (CH3COONH4). Sb and As concentrations in F1, F2, and F3 were
measured using an atomic fluorescence spectrometer (AFS-8510, China). The residual
fraction (F4) was calculated as the difference between the concentration of the sum of the
three fractions (F1 + F2 + F3) and the total Sb and As concentrations [32].

The pH-static leaching experiments were performed for 9 days. Tailing samples
(2 ± 0.01 g) were placed in a 50 mL polyethylene bottle, and 40 mL of prepared extraction
was added. Separate bottles were used for each sampling to ensure identical ratios. The
pH values of 3, 5, 6.87, and 9 were to account for acidic, neutral, and basic conditions
encountered in the mining areas. Sulphuric acid and sodium hydroxide were added to
adjust the pH. The reactor was placed in a gas bath thermostatic shaker at 120 r/min. The
leachate was sampled after days 1, 3, 5, 7, and 9 and filtered through a 0.45 μm membrane.
A PHS-3c pH meter was used to continuously measure the tailing supernatant three times,
and the average value was the leachate used for the analysis of Sb and As concentrations.

On the basis of the previously established standard for determining heavy metals in
soil (HJ680-2013), a total of 6 samples to be analysed were inserted using a blank sample, in
accordance with the 10% standard. During analysis, procedural gaps, parallel experiments,
and soil samples (obtained as per national standard GSS-4) were considered for quality
control. The calibration curves of Sb and As standard solutions showed determination

69



Toxics 2022, 10, 777

coefficients exceeding 0.999 with recovery rates between 80.0 and 105.0%. Ultrapure water
was used as the experimental water, while all reagents utilized were guaranteed reagents.
The container was soaked in 10% HNO3 solution for more than 24 h, rinsed with ultra-pure
water, and dried prior to use. All experimental equipment was dipped in nitric acid (12%)
for more than 24 h and washed with deionized water at least three times. Arcmap10.6,
Origin 2021, and Microsoft Excel 2017 were used for data processing and graphics drawing.

2.4. Health Risk Assessment

The human health risk assessment was divided into carcinogenic and non-carcinogenic
assessments. As is a carcinogen via the drinking route, while Sb is a non-carcinogen. In this
study, health risk was considered to the population through the drinking water route when
leachate containing As and Sb contaminates groundwater. Therefore, the carcinogenic risk
of As and the non-carcinogenic risk of Sb were analysed separately.

2.4.1. Carcinogenic Risk Model

In general, even a very small number of carcinogenic risk substances can have negative
affect on human health. The expression of the evaluation model is as follows:

Rc = (Di × SFi)/70 (1)

where Rc is the per capita carcinogenic risk generated by chemical carcinogens through the
surface of water sources, a−1; Di is the average daily exposure dose per unit of toxic sub-
stances through the surface of drinking water sources, mg·(kg·d)1; SFi is the carcinogenic
coefficient of chemical carcinogens ingested through the surface of drinking water sources,
mg·(kg·d)−1 [33].

2.4.2. Non-Carcinogenic Risk Model

Non-carcinogens are only hazardous to human health if they exceed a threshold value.
The non-carcinogenic risk is described by the commonly used risk index (HI) evaluated
as follows:

Rn =
Di

R f D × 70
× 10−6 (2)

where Rn is the per capita annual health risk from non-carcinogenic substances exposed
through drinking water sources, a−1; Di is the average daily exposure dose per body of toxic
substances exposed through water sources, mg·(kg·d)−1; RfD is the carcinogenic coefficient
of non-carcinogenic substances ingested through drinking water sources, mg·(kg·d)−1;
70 is the average life expectancy, in years [34].

The average daily exposure dose Di by the drinking water route is calculated separately
for adults and children using the following formula:

Adult : Di = 2.2Ci/64.3 (3)

Child : Di = (1.0Ci)/22.9 (4)

where Ci is the concentration of the chemical carcinogen, mg/L; 2.2 is the average daily
water intake of adults, L/d; 64.3 is the average body weight of adults, in kg; 1.0 is the
average daily water intake of children, L/d; 22.9 is the average body weight of children,
in kg [34].

The classification system is based on the International Agency for Research on Carcino-
genesis (IARC) and the World Health Organization’s (WHO) comprehensive evaluation
of the carcinogenicity of chemical substances, combined with the US EPA recommended
values. Among the two toxic elements measured in this study, the carcinogenic intensity
factor SF for As was 15 mg·(kg·d)−1 and the drinking water exposure reference dose RfD
for Sb was 0.004 mg·(kg·d)−1. The health risk in the water environment was classified
into five levels: Rc/Rn < 1.0 × 10−6 a−1, low risk; 1.0 × 10−6 a−1 ≤ Rc/Rn < 1.0 × 10−5 a−1,

70



Toxics 2022, 10, 777

considerable; 1.0 × 10−5 a−1 ≤ Rc/Rn < 5.0 × 10−5 a−1, medium; 5.0 × 10−5 a−1 ≤ Rc/Rn <
1.0 × 10−4 a−1, high risk; Rc/Rn > 1.0 × 10−4 a−1, serious risk [35].

3. Results and Discussion

3.1. Mineral Composition and Toxic Elements Content in Tailings

The peak XRD analysis pattern intensities primarily represent the crystallinity of
different phases; hence, the contents of different components in the samples cannot bean-
alyzed. The XRD patterns of the tailings showed different diffraction patterns (Figure 2).
The compositions of the Zuoxiguo antimony mining tailings were SiO2, CaCO3, FeS2, and
Sb2S3, a typical sulphide mining tailing. Conversely, the fractions of the Qinglong antimony
mine tailings were SiO2, CaCO3, CaSiO3, and CaAl2Si4O12-2H2O. The primary component
of the tailings of both antimony mines was SiO2. Compared with the Zuoxiguo antimony
mine, the tailings of the Qinglong antimony mine contained less Sb (Table 1); therefore, no
significant peaks in the Sb phase were detected. Yet, the oxides of secondary Sb, such as
cubic Sb2O3 and rhombic Sb2O3, were the most important weathering of Sb2S3 products.
The tailing sand contained SiO2 and CaCO3, which are associated with silicification and
carbonatization in wall rock alteration, respectively.

 

Figure 2. XRD pattern of two mining tailings. ((a): XRD analyse for Zuoxiguo mining tailings;
(b): XRD analyse for Qionglong mining tailings).

The tailings of Zuoxiguo and Qinglong antimony mines contained large amounts of
Sb and As (Table 1), with the contents of Sb and As in the Qinglong antimony mine being
637 and 20 times higher than the local soil background values, respectively. The average
content of Sb and As in the Zuoxiguo mine was 771 and 27 times higher than the local soil
background values, respectively. Notably, the pH of the Qinglong antimony mine tailings
was much higher than that of the Zuoxiguo tailings, which is neutral to weakly alkaline.
Meanwhile, the pH of the Zuoxiguo antimony mining tailings was acidic, which is more
conducive to the migration and transformation of heavy metals under acidic conditions [36].
This may explain the significantly higher Sb in the Zuoxiguo antimony mining tailings than
Qinglong antimony mining tailings. In addition, combined with the XRD in Figure 2, pyrite
was identified in the tailings of the Zuoxiguo antimony mine. Under natural conditions, the
pyrite in the tailings undergoes a redox reaction (2FeS2 + 7O2 + 2H2O→2Fe2 + 4SO4

2− + 4H+),
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thereby releasing a large number of hydrogen ions into the tailings [37], which lower the
pH. Heavy metals associated with pyrite are released into the environment along with
heavy metal carbonates [38], which may be another reason for the high Sb and As content
in the tailings.

Table 1. Total heavy metals in the Zuoxiguo and Qinglong mining tailings (mg/kg).

Item Sb As pH

QL 1426.43 405.26 7.38
Background value of soil in Guizhou 2.24 20.00 n.d

Z1 13,689.70 541.20 3.73
Z2 9663.30 771.50 3.05
Z3 4450.90 218.00 2.99
Z4 3004.42 600.50 3.62
Z5 2428.35 206.00 3.49
Z6 2179.92 138.00 4.26

Background value of soil in Yunnan 7.64 14.90 n.d
n.d means that there is no pH background value in Guizhou and Yunnan.

3.2. Leaching Characteristics of Different Antimony Mining Tailings
Leaching Characteristics of Sb and As in Tailings, and pH Changes of Leachate
during Leaching

Figure 3 shows the total Sb released from each mining tailing, which, although differ-
ent, was increased with time, especially in Zuoxiguo mine tailings. The Sb release of the
Zuoxiguo mine tailings was larger than the Qinglong mine tailings.

Figure 3. Leached concentration changes of Sb in different mines and pH changes of the leached so-
lution (corresponding dashed labels). ((a): Sb’s leaching characteristics and pH changes in Zuoxiguo-
tailings leachate; (b): Sb’s leaching characteristics and pH changes in Qinglong-tailings leachate).

Contrarily, the pH showed different trends, changing significantly within the first day
regardless of the initial pH, and remained between 6 and 8, after one day, for days 2–9.
Regardless of the pH at the initial condition, the release of Sb in the tailings of Zuoxiguo
and Qinglong antimony mines was the highest within the first day, with an average release
rate of 37%. This indicates that the artificially given pH value within the first day helped
the Sb leaching process. Notably, the alkaline conditions were more favourable to Sb release
than acidic conditions during the leaching process of the Zuoxiguo antimony mining
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tailings [39]. The antimony mining tailings consist of pyroxene, which can dissolve in water
to form the hydroxide Sb(OH)3 [40], the expression of which is:

Sb2S3 + 6H2O ⇐⇒ 2Sb2(OH)3 + 3H2S

However, Sb(OH)3 behaves more like an acid than a hydroxide; therefore, it is often
written as H3SbO3 (antimonous acid) and can dissociate to form an anion as follows:

H3SbO3 ⇐⇒ H2SbO−
3 + H+

As the pH increases, more H3SbO3 is converted to the anionic form; H2SbO3
− is very

soluble in water [41,42]. Sb in the tailings of the Qinglong antimony mine was more readily
released at an initial pH of 3. The trend of release under other pH conditions was consistent
with that of Zuoxiguo. However, the Sb release in the tailings of Zuoxiguo was higher than
that of Qinglong regardless of the initial pH conditions since the Sb content of the tailings of
Zuoxiguo antimony mine was higher than that of Qinglong. The presence of FeS2 helped to
facilitate Sb release and increased th4 Sb2S3 oxidation rate; therefore, in systems with more
FeS2 input, Sb accumulation is increased [43]. Herein, the interaction between FeS2 and
Sb2S3 increased Sb dissolution from Sb2S3. FeS2 has a higher resting potential than Sb2S3,
0.66 V vs. 0.12 V, respectively [44], which may stimulate Sb2S3 to release large amounts of
Sb. Therefore, the Sb concentration in the Zuoxiguo leachate was higher than Qinglong.

Conversely, the As release differed between the Zuoxiguo mining tailings and that of
Qinglong mining tailings (Figure 4). The release of As from the Zuoxiguo mine tailings was
much higher, while As concentration in the Zuoxiguo leachate increased with time before
day 3, then decreased. Likewise, the pH showed different trends, varying significantly
within the first day regardless of the initial conditions and remained between 6 and 8, after
one day, for days 2–9.

 

Figure 4. Leached concentration changes of As in Zuoxiguo and Qinglong mines and pH changes
of the leached solution (corresponding dashed labels). ((a): As’s leaching characteristics and
pH changes in Zuoxiguo-tailings leachate; (b): As’s leaching characteristics and pH changes in
Qinglong-tailings leachate).

This suggests that the CaCO3 and other related components in the samples provided
sufficient acid neutralization and buffering capacity. The release of As in the leachates
from Zuoxiguo and Qinglong was significantly lower than that of Sb, possibly due to the
source of As being toxic sand, which decomposed more slowly than pyroxene. This may
be attributed to the formation of oxidation edges on the toxic sand particles consisting
of Fe, As, S, Sb, and Ca that slowed down dissolution, which was not observed on the
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pyroxene [45]. In addition, the S content in the tailings of the Zuoxiguo antimony mine
ranged from 3.065 g/kg to 14.718 g/kg, while the sulphur and sulphate in the tailings
supported the leaching of As. As is chemically similar to S; hence, it can replace elemental
S in sulphides, resulting in sulphides with high levels of As, such as FeAsS [46]. Reduction
zones, such as rivers, sediments, and mines, can form authigenic FeS2 in which some
dissolved As is bound during the formation of these FeS2 minerals; during transformation,
As is bound to FeS2 and released during FeS2 dissolution [47]. Compared with other initial
pH values, the release of As in the leachate from Zuoxiguo and Qinglong varied when
the initial pH was 6.87; the release of As in the leachate from Zuoxiguo began to decrease
within 1–3 days, while the release of As in the leachate from Qinglong sharply increased
within 5–7 days. This indicates that the leaching variation of As is greater under neutral
conditions, and the elemental activity is higher and easily influenced by other factors [48].

3.3. Influence of Chemical Sb and As Species in Tailings on Leaching Mechanism

The improved BCR method was used to determine the Sb and As chemical species in
the tailings of the Zuoxiguo and Qinglong antimony mines. The chemical species of Sb and
As in the Qinglong mining tailings were predominantly F4 and F2, with overall proportions
in the following order: F4 > F2 > F3 > F1. Qun et al. (2022) have reported that too high of a
residue fraction indicated high contents of elements in the lattice, such as silicate, primary
minerals, and secondary minerals. However, when the reducible was too high, elements
bound with Fe and Mn hydrated oxides showed high content and activity, which are easily
hydrolysed under pH < 7 with a certain bioavailability [49]. Figure 5 shows that F1 and F2
of Sb and As values in the Zuoxiguo mining tailings were higher than those of the Qinglong
mining tailings, indicating that Sb in the Zuoxiguo mining tailings had stronger mobility
and bioavailability.

 

Figure 5. As and Sb chemical proportions at different points in tailings of Zuoxiguo and Qing-
long.((a): Proportions of chemical Sb species in tailings of Zuoxiguo; (b): Proportions of chemical As
species in tailings of Qinglong).

Hence, the release of Sb and As from the tailing sand in the leaching experiment of
Zuoxiguo was higher than that of Sb and As from the tailing sand of Qinglong. Meanwhile,

74



Toxics 2022, 10, 777

the F4 of Sb and As in the Qinglong mining tailings was higher than that of As in the
Zuoxiguo mining tailings. The tailing sand of Qinglong had a higher binding degree with
Sb and As elements, thereby hindering migration and transformation; hence, the release of
Sb and As in the tailing sand of the Qinglong leaching experiment was significantly lower
than that of Zuoxiguo.

3.4. Surface Changing of Tailings during Leaching

The surface shape of the tailings from the scanning electron microscope (SEM) is
shown in Figure 6. The roughness of the tailing surfaces increased post leaching. The
originally smooth surface of the tailings was eroded, while small holes appeared on the
surface after 9 days of the alkaline initial leaching condition, and raised layers appeared
on the surface after 9 days of the acid initial leaching condition (Figure 6). This illustrates
that the dissolution of the tailings began with the tailing–water interface, while different
initial conditions led to different tailings changes. However, it is possible that the reaction
mechanism at the tailing–water interface is different, and so is the production under
different initial pH conditions during leaching.

 

 

Figure 6. Tailing surface morphology changes before and after leaching: (a) Zuoxiguo antimony mine
and (b) Qinglong antimony mine. Scale bar: 10 μm and 20 μm.

3.5. Health Risk Assessment of Leachate

During rainfall, the tailings’ leachate flows into the river from high to low along the
terrain in the study area, which has exacerbated the negative health effects of Sb and As;
therefore, a health risk assessment of Sb and As in the leachate was conducted. The highest
leaching amount was used to calculate the health risk index under different pH conditions
(Table 2). The non-carcinogenic and carcinogenic risks of Sb and As in the leachate at
different pH were higher for children than adults. Children were at higher risk from As,
while the health risk index of As in the leaching solution of Zuoxiguo was higher than
that of Qinglong; hence, contaminated drinking water must be more strictly managed.
In Table 2, the carcinogen element As in the leachate of the Zuoxiguo antimony mining
tailings for the adult and children health risk index was higher than 1 × 10−4, a serious risk
level, while the health risk index of Sb was less than 1.0 × 10−6, a low-risk level. The health
risk index of carcinogenic As in the tailing leachate of the Qinglong antimony mine was
greater than 1 × 10−4 for both adults and children at pH 6.87, a serious risk level. At pH 3,
the health risk index for adults ranged from 1.0 × 10−5 to 5.0 × 10−5, a medium-risk level,
while at pH 5 and 9, the health risk index for adults ranged from 5.0 × 10−5 to 1.0 × 10−4

at pH 5 and 9, a high-risk level. The health risk index for children was between 5.0 × 10−5

to 1.0 × 10−4 at pH 3, 5, and 9, a high-risk level; As had the highest health risk index for
adults and children at pH 6.87, consistent with Zuoxiguo. On the contrary, the health risk
indices of Sb were less than 1.0 × 10−6, a low-risk level. Therefore, the non-carcinogenic
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risk of Sb in the leachate is low-risk for both adults and children, i.e., within the acceptable
range, while the carcinogenic risk of As exceeds a certain value, where As in the leachate of
Zuoxiguo is a serious risk for both adults and children, which may be associated with the
different toxicity of different heavy metals [49,50]. Therefore, it is necessary to introduce
health risk assessment into water quality monitoring and evaluation around the study area
and develop and implement appropriate contaminant control strategies.

Table 2. Annual health risks caused by Sb and As in the leachate of Zuoxiguo and Qinglong (a−1).

Item pH
Sb As

Rn Rc

Zuoxiguo

Adult

3.00 2.32 × 10−7 4.67 × 10−4

5.00 2.45 × 10−7 5.00 × 10−4

6.87 2.51 × 10−7 6.11 × 10−4

9.00 2.62 × 10−7 1.94 × 10−4

Child

3.00 2.97 × 10−7 6.00 × 10−4

5.00 3.12 × 10−7 6.38 × 10−4

6.87 3.21 × 10−7 7.80 × 10−4

9.00 3.34 × 10−7 2.48 × 10−4

Qinglong

Adult

3.00 1.12 × 10−8 4.74 × 10−5

5.00 9.64 × 10−9 5.07 × 10−5

6.87 1.01 × 10−8 1.13 × 10−4

9.00 1.00 × 10−8 7.52 × 10−5

Child

3.00 1.43 × 10−8 6.05 × 10−5

5.00 1.23 × 10−8 6.47 × 10−5

6.87 1.29 × 10−8 1.44 × 10−4

9.00 1.28 × 10−8 9.59 × 10−5

4. Conclusions

In this study, Zuoxiguo and Qinglong antimony mining tailings were collected and
analysed. The total contents of As and Sb in Zuoxiguo and Qinglong tailings, as well as the
leaching mechanism of As and Sb, were determined, while the health risk evaluation of As
and Sb in the leachate was conducted. The results showed that: (1) SiO2 was the main com-
ponent of the Zuoxiguo and Qinglong antimony mining tailings; notably, Sb2S3 and FeS2
were identified in the tailings of the Zuoxiguo antimony mine. The average content of Sb in
the Zuoxiguo and Qinglong tailings was 5902.77 mg/kg and 1426.43 mg/kg, respectively,
while that of As was 412.53 mg/kg and 405.26 mg/kg, respectively, which were higher than
the background values. (2) The average Sb concentration in the leachate of Zuoxiguo and
Qinglong was 1470.48 μg/L and 70.20 μg/L, respectively, while that of As concentration
in the leachate of Zuoxiguo and Qinglong was 31.20 μg/L and 6.45 μg/L, respectively.
The release of Sb in the leachate of the Zuoxiguo and Qinglong tailings increased with
time; the alkaline conditions contributed to the release of Sb. The release of As in the
leachate of Zuoxiguo was first increased, then decreased, while the release of As in the
leachate of Qinglong showed an increasing trend, in which the changes in As release in
the leachate of Zuoxiguo and Qinglong at pH 6.87 differed from those of As release under
other pH conditions. (3) The health risk index showed that the average carcinogenic risk of
As in the Zuoxiguo and Qinglong leachates for children was 5.67 × 10−4 and 9.13 × 10−5,
respectively, and 4.43 × 10−4 and 7.16 × 10−5 for adults, respectively, suggesting that As
has a significantly higher risk for children compared with adults. Moreover, the carcino-
genic risk index of As in the leachate of Zuoxiguo was higher than that of Qinglong. In
contrast, the average non-carcinogenic risk index of Sb in the leachate of Zuoxiguo and
Qinglong for children was 3.16 × 10−7 and 1.31 × 10−8, respectively, and 2.48 × 10−7 and
1.02 × 10−8 for adults, respectively, which were below the minimum limitation and within
the acceptable range.
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Abstract: Groundwater of northern Mexico contains high concentrations of geogenic fluoride (F−), a
contaminant known to affect human health. The origin of F− in groundwater in this region has been
related to the weathering of rhyolite and other volcanic rocks present in the alluvium. However, the
relationship of F− concentration to water depth has not been established. F− concentrations, pH, and
total dissolved solids (TSD) were determined for 18 wells within the Meoqui-Delicias aquifer in 2021.
The F concentrations varied between 0.62 mg L−1 and 4.84 mg L−1, and 61% of the wells exceeded
the 1.5 mg L−1 guideline. F− concentrations did not correlate to TDS but correlated to well depth
(r = −0.52, p < 0.05). Because of the less-than-strong correlation coefficient value obtained, a diagram
of F− concentrations vs. well depth was constructed. The diagram showed a distinct enrichment of
F− in shallow wells, suggesting that groundwater residence time and evaporation may be important
factors in explaining the F− content within the aquifer. This pattern was confirmed after plotting 2003
and 2006 data for the same wells. These findings are important to better understand the distribution
of F− in neighboring alluvial aquifers as well as in alluvial aquifers elsewhere.

Keywords: basin-fill aquifer; evaporation; fluoride; Chihuahua; groundwater withdrawal

1. Introduction

Groundwater with high fluoride (F−) concentrations occurs in regions of more than
25 countries in the world [1,2]. Recent estimates establish that 180 million people are
potentially affected by F−, most of them in Asia and Africa [2]. Although the F− sources
are believed to be geogenic for the most part, there are notable hydrologic, climatic, and
geologic differences among the affected regions. Arid and semiarid areas are prone to
groundwater with high F− concentrations due to prevailing conditions that favor the disso-
lution of F−, such as high pH and alkalinity, warm temperatures, well depth, mean annual
precipitation, aquifer lithology, and long residence times [2,3]. Within a particular aquifer,
there can also be variations in the F− concentration. For example, the F− concentration
may increase in the deeper parts of a large aquifer [3], but in other cases, it may increase
near the discharge area because of a longer residence time, and, since the water is by then
found in the shallow part of the aquifer, evaporation may also play a role [4,5]. Hence,
geogenic high F− groundwaters have been classified into three major types [6]: high F−
in shallow groundwater, high F in deep groundwater, and high F− in geothermal water.
Studies that narrow down the affected areas and report their F spatial distribution and the
factors responsible for their content have increased in recent years [6–9].

Ingestion of groundwater containing F− is the most common pathway of exposure
leading to health problems [10], including a condition known as fluorosis [1,11]. The stan-
dard guideline for F− concentration in drinking water set by the World Health Organization
and by many countries is 1.5 mg L−1 F−; however, a limit of 1.0 mg L−1 F− is advisable
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in places where people drink more water [1]. Ingesting water above 1.5 mg L−1 F causes
teeth discoloration (dental fluorosis), whereas chronic ingestion of higher concentrations
(e.g., 4.0 mg L−1 F−) has more serious consequences to human health, affecting the bones
(skeletal fluorosis) and vital organs, as well as developing neurotoxic and metabolic ef-
fects [10–12]. The health predicament complicates when arsenic (As) is found co-occurring
with F, as is the case in many regions worldwide [12–24].

The guideline in Mexico for drinking water is 1.5 mg L−1 F− [25], but in the future,
it will be 1.0 mg L−1 F−, a change that will take a few years to be fully implemented [14].
High concentrations of F− in the groundwater of northern Mexico are common, where
concentrations up to 28 mg L−1 F have been observed [10]. Among the most affected
regions in Mexico with high F− concentrations are the states of Chihuahua, Durango, and
Zacatecas [14]. In the state of Chihuahua, a median of 1.4 mg L−1 F− with 45% of sampled
wells exceeding the 1.5 mg L−1 F− guideline was reported for samples collected in 2017–
2019 [10]. Another study, based on 445 groundwater samples from rural communities of
southeast Chihuahua, found F− concentrations varying between 0.05 and 11.8 mg L−1 F−,
and 37.2% of these samples exceeded the 1.5 mg L−1 F− guideline [15]. Most of the F−
studies report the presence of both F− and As [3,16–18,24].

In the alluvial aquifers of northern and central Mexico, the origin of F has been reported
as geogenic, associated with the weathering of silicate-rich rocks such as rhyolite and
ignimbrite [9,13,15,24]. These studies also report that the distribution of F− concentrations
varies greatly with location [13–15]. Therefore, factors that might explain this variability
are constantly sought, among them the depth of the well, groundwater extraction, and
total dissolved solids (TDS). Well-known factors responsible for high F− concentrations
include aridity, alkalinity, and the presence of silicate-rich rocks [2,3]. Less explored factors
include well depth, residence time, and the input of anthropogenic contaminants [10,16].
The objectives of this study were to determine the relationship between F concentration
and well depth in an alluvial aquifer in northern Mexico and to infer about the variation in
this pattern in space and time.

2. Materials and Methods

2.1. Description of the Study Area

The study area comprises the Meoqui-Delicias aquifer, an overexploited alluvial
aquifer located in the central part of the state of Chihuahua, Mexico. This aquifer underlies
a region of irrigated agriculture and dairy farm operations known as Distrito de Riego
005. The aquifer occupies a surface area of 4830 km2 and has an irregular geometry, with
a maximum thickness of 500 m and an average thickness of 300 m [26]. The aquifer is
recharged primarily in the many arroyos and the alluvial fans that form at the base of hills
that rise on its western part, but a significant recharge likely occurs at the fields, which are
irrigated with surface water [26]. The local discharge areas are the Rio Conchos and Rio
San Pedro, and the regional groundwater flows in a northerly direction. Although this is a
primarily unconfined aquifer, under clay lenses, it operates as a confined aquifer.

The climate is semiarid, with an average annual precipitation of 284 mm. Most of the
precipitation occurs during the monsoon season (July to September). The aquifer provides
drinking water to several communities (total pop. ≈200,000) and contributes 17% of the
water used to irrigate crops [27]. However, this amount may vary depending on the amount
of surface water available, e.g., during dry periods, when more groundwater is extracted.

2.2. Sampling and Analyses

The groundwater was sampled from 18 wells in 2021 according to standard proce-
dure [25]. The location of these wells, natural groundwater flow direction, and the prevalent
trajectory of monsoon rains are shown in Figure 1. The wells included here were selected
to match those wells for which F− concentrations were reported in 2003 and 2006 [26]. The
major ion concentration of groundwater in these wells sampled in 2006 is shown in Figure 2
(Tables S1 and S2 in Supplementary Material).
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Temperature, pH, electrical conductivity, and TDS were measured in the field using a
HANNA HI9828 multiparameter probe. Groundwater samples were kept cool during their
transport to the laboratory, where they were analyzed for F− concentration using a selective
ion electrode, according to the standard method [28]. All reagents were of analytical quality.
The F− electrode and multiparameter probe were calibrated daily. The probe was calibrated
using pH 4, 7, and 10 calibrating solutions and a 1413 μS conductivity calibrating solution,
whereas the F− electrode was calibrated using 1.0 mg/L F− and 10 mg/L F− standard
solutions. Replicates were determined at least every 10 samples.

The locations of the sampled wells were plotted using ArcMap with WGS 1984 co-
ordinate System and a Transverse Mercator Projection, and the map was constructed at a
1:380,000 scale. A Spearman correlation was utilized to determine the correlation between
F− concentrations and TDS, as well as between F− concentration and well depth.

Figure 1. Meoqui-Delicias aquifer and location of the sampled wells. Samples are labeled using the
first letter of the nearest community (D for Delicias, M for Meoqui, R for Rosales, J for Julimes, and S
for Saucillo) followed by a number.
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Figure 2. Piper diagram showing major ion concentration of the sampled wells.

3. Results

The results are listed in Table 1. The median of the 2021 F− concentration values
is 1.58 mg L−1 F−, and 61% of the samples exceeded the 1.5 mg L−1 F− guideline. This
result would imply health problems in the form of dental fluorosis. However, this problem
has not spread through the population because of small inverse osmosis filters fitted
to many of the wells in the city of Delicias and in most of the rural communities [27].
The water quality reflected in Figure 2 shows Ca and Na are major cations that vary
over a broad range of values and shows a similar behavior for anions SO4 and HCO3.
According to Figure 2, concentration variations seem to be independent of well depth. This
behavior is likely the result of the heterogeneity of the alluvial fill and solutes leaked down
after the intensive agricultural practices taking place on the surface (increase in TDS and
soil salinization) [26,27,29].

Table 1. Fluoride (F−) concentrations, pH, and TDS in groundwater.

Well Location
Depth

m
F 2003 1

mg L−1
F 2006 1

mg L−1
F 2021

mg L−1 pH 2021
TDS 2021
mg L−1

D139 La Merced 70 1.70 1.67 1.56 7.70 794
D130 Santa Fe 320 0.67 0.82 0.94 7.30 2059
D136 Est. Armendáriz 200 2.89 2.50 2.61 7.19 863
J15 Julimes 79 3.84 4.13 4.84 7.04 1193
J16 Ex-hacienda H. 15 2.93 3.28 3.57 7.43 890
M6 Potrero del Llano 181 3.38 3.16 3.39 7.91 953

M19 El Torreón 60 1.86 2.58 3.12 7.98 701
M24 Las Puentes 36 2.46 2.40 2.85 7.43 539
M26 Fco. Portillo 150 1.09 0.98 0.91 7.54 355
M27 Nuevo Loreto 150 1.65 1.53 1.67 7.12 675
M40 Est. Consuelo 150 1.95 1.77 1.85 7.03 398
R2 Barranco Blanco 152 1.54 1.50 1.60 7.38 587
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Table 1. Cont.

Well Location
Depth

m
F 2003 1

mg L−1
F 2006 1

mg L−1
F 2021

mg L−1 pH 2021
TDS 2021
mg L−1

S47 Orranteño 90 1.63 1.30 1.31 7.03 735
S54 Gomeño 60 1.55 1.30 1.52 7.31 786

S56-3 Saucillo P3 185 0.20 0.70 0.75 6.74 834
S56-8 Saucillo P8 250 0.20 0.20 0.62 7.23 843
S57 Vicente Guerrero 180 1.02 1.00 0.89 7.58 456
S98 Est. Saucillo 137 1.40 2.40 1.32 7.22 668

(1) F concentrations for 2003 and 2006 reported in [26].

A concentration map of each of F− and TDS allows for a better visualization of their
concentration patterns. The spatial distributions of F− concentration and TDS for 2021 data
are shown in Figure 3. TDS values are lower in wells within or near the natural recharge
area (wells R2, M40, M24, and M26) and increase as they approach the discharge areas.
The pronounced increase in TDS in two wells, one in the northern part of the aquifer and
one in the center of the aquifer, may be due to infiltration of irrigation return flows and
other wastes containing large amounts of dissolved salts, e.g., dairy farm effluents [29].
F− concentrations followed a different pattern than TDS as was confirmed by their low
correlation. F− concentrations increased at discharge areas, and their overall distribution
pattern is rather irregular, as reported in other studies in northern Mexico [14].

Figure 3. (a) Total dissolved solids (TDS) and (b) F− concentrations in the sampled wells.

The Spearman correlation coefficient between F− concentrations and TDS was low
(r = 0.24), and p, the probability of r being significant at 95% (α = 0.05, two tailed), was not
significant at p < 0.05. A visual comparison between the plotted concentrations (Figure 3)
shows a roughly similar pattern, except for wells M24 and D130, whose difference in
concentrations was high enough to lower the correlation coefficient below the 95% con-
fidence threshold. In contrast, the correlation coefficient between F− concentration and
well depth was −0.52 and was significant at p < 0.05. As a way to validate the relationship
between well depth and F− concentrations, and since the correlation was moderate and not
a strong one, the 2021 data were plotted (Figure 4). The diagram clearly shows decreasing
F− concentrations with increasing well depth, which means that the F− concentration is
highest in shallower wells and, for the most part, coincides with discharge areas.

85



Environments 2022, 9, 155

Figure 4. F− concentration vs. well depth for 2021 data. Points with a yellow rim are located at a
discharge area.

4. Discussion

Although TDS is reportedly associated with high F− concentrations [3], this relation-
ship was not validated in the Meoqui-Delicias aquifer. The low correlation between F−
concentrations and TDS is likely the result of human activities taking place at the surface
and the infiltration of both excess surface water used to irrigate crops and domestic and
dairy farm wastes [29]. However, F− concentrations correlated, albeit weakly and inversely,
to water depth. Few studies report the relationship between F− concentration and well
depth; however, high F− concentration in the shallow part of overexploited alluvial aquifers
have been reported in the western United States [30] and in northern China [6,7,31].

The moderate correlation (correlation coefficient −0.52 for 2021 data) between F−
concentrations and well depth may be a reflection of the heterogeneity of the alluvium and
change in groundwater flow direction near some wells, as extensive extractions of ground-
water are common in overexploited aquifers such as the Meoqui-Delicias aquifer [27]. To
validate the F−–well depth association, data from 2003 and 2006 [26] were plotted. The
graphs, shown in Figure 5, indicate a behavior that is similar to the one observed for 2021.
Therefore, the higher F− concentrations being associated with shallow wells was not a
one-time occurrence but rather a confirmed pattern.

Figure 5. F concentration vs. well depth for 2003 and 2006 data. Points with a yellow rim are located
at a discharge area.
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The above results help develop a conceptual model for F− concentration in ground-
water, as follows: Rain infiltrates through the arroyos and alluvial fans at the base of hills
and starts flowing as groundwater toward the discharge areas. As groundwater comes in
contact with the silicate-rich rock fragments in the alluvial material, it picks up F− that is
naturally released via chemical weathering, incorporating it into the aquifer through the
vertical flow of F-rich water. As groundwater approaches the central part of the aquifer,
it mixes with irrigation drainage water, and the direction of flow changes according to
the new potentiometric levels created by groundwater withdrawals of some wells, result-
ing in an increase in its residence time and its F− concentration. Once the groundwater
reaches the shallow depth near the discharge areas, evaporation further heightens the F−
concentration.

From the public health point of view, 67%, 61%, and 61% of wells surpassed the
1.5 mg L−1 F− guideline in 2003, 2006, and 2021, respectively, and only one well (J15) had a
concentration above 4 mg L−1 F−, although this occurred consistently in all sampled years.
The results obtained here agree with the F− concentration behavior reported for other
arid areas worldwide contaminated with geogenic F− [3–5]. Based on this information, an
effective strategy to mitigate the problem would be to direct remediation actions to wells
where the highest F− concentrations are to be expected, including wells near groundwater
discharge areas as well as those with a historically high F− content.

5. Conclusions

The results of the 2021 study show F− concentrations varying between 0.62 and
4.84 mg L−1 F−. Once these concentrations were plotted on a map, F− concentrations were
lower in recharge areas and higher in discharge areas, which highlights the groundwa-
ter residence time as a controlling process to the F content in groundwater. The shallow
groundwater depth in discharge areas will also allow a further increase in F− concentration
through evaporation. TDS in this area has a large anthropogenic component, i.e., irrigation
return flows and dairy farm effluents, which affected the correlation to F− concentration.
Since the Spearman correlation between F− concentrations and well depth was only mod-
erate, the data were then plotted into F− concentrations vs. well depth, and the resulted
diagram showed F concentration decreasing with increasing depth. These results were
confirmed after comparing this graph to the graphs of 2003 and 2006 data for the same
wells. The moderate correlation coefficients and low regression values obtained for the
relation between F− concentration and well depth could be due to the heterogeneity of the
alluvium and the changes in local water flow direction generated by irregular and often
large groundwater withdrawals in some wells used to irrigate crops, especially during
dryer years. In sum, groundwater residence time and evaporation, in this order, seemed
to be additional factors significantly affecting F− concentration besides the well-known
factors of alluvium mineral composition and alkalinity.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/environments9120155/s1, Table S1: Laboratory analytical proce-
dures and Mexican technical standards describing analytical methodologies and quality controls for
the analytical determination of arsenic, fluoride, pH and physicochemical parameters of water.; Table
S2: Water quality of major ions in groundwater samples collected in 2006 [26].

Author Contributions: Conceptualization, M.S.E.-V. and H.S.-H.; methodology, M.S.E.-V.; software,
M.S.E.-V.; validation, M.S.E.-V., A.P.-M. and H.S.-H.; formal analysis, M.S.E.-V.; investigation, M.S.E.-
V. and M.G.; resources, A.P.-M.; data curation, H.S.-H.; writing—original draft preparation, M.S.E.-V.
and D.F.R.-L.; writing—review and editing, M.G.; visualization, D.F.R.-L.; supervision, M.S.E.-V.;
project administration, A.P.-M. and H.S.-H.; funding acquisition, M.S.E.-V. All authors have read and
agreed to the published version of the manuscript.

Funding: This research received no external funding.

Institutional Review Board Statement: Not applicable.

87



Environments 2022, 9, 155

Informed Consent Statement: Not applicable.

Data Availability Statement: Data and methodology are reported in detail in Rodríguez-Lozano D.F.
Evolución espacial y temporal de la presencia de fluoruros en el acuífero Meoqui-Delicias, Chihuahua.
M.S. Thesis. Universidad Autónoma de Chihuahua, Facultad de Ingenieria, Mexico. 2022.

Acknowledgments: The authors are grateful for the constructive comments and insightful reviews
from three anonymous reviewers. We also thank Nayeli Villalobos and Alejandro Hernández for
helping with driving to the study area and taking the sample and field measurements and the farmers
who kindly allowed access to their well to take the samples and measurements.

Conflicts of Interest: The authors declare no conflict of interest.

References

1. Kimambo, V.; Bhattacharya, P.; Mtalo, F.; Mtamba, J.; Ahmad, A. Fluoride occurrence in groundwater systems at global scale and
status of defluoridation—State of the art. Groundw. Sustain. Dev. 2019, 9, 100223. [CrossRef]

2. Podgorsky, J.; Berg, M. Global analysis and prediction of fluoride in groundwater. Nat. Commun. 2022, 13, 4232. [CrossRef]
[PubMed]

3. McMahon, P.B.; Brown, C.J.; Johnson, T.D.; Belitz, K.; Lindsey, B.D. Fluoride occurrence in United States groundwater. Sci. Total
Environ. 2020, 732, 139217. [CrossRef] [PubMed]

4. Guo, Q.; Wang, Y.; Ma, T.; Ma, R. Geochemical processes controlling the elevated fluoride concentrations in ground waters of the
Taiyuan Basin, Northern China. J. Geochem. Explor. 2007, 93, 1–12. [CrossRef]

5. Jia, H.; Qian, H.; Qu, W.; Zheng, L.; Feng, W.; Ren, W. Fluoride occurrence and human health risk in drinking water wells from
southern edge of Chinese Loess Plateau. Int. J. Environ. Res. Public Health 2019, 16, 1683. [CrossRef] [PubMed]

6. Wang, Y.; Zheng, C.; Ma, R. Review: Safe and sustainable groundwater supply in China. Hydrogeol. J. 2018, 26, 1301–1324.
[CrossRef]

7. Li, J.; Wang, Y.; Zhu, C.; Xue, X.; Qian, K.; Xie, X.; Wang, Y. Hydrogeochemical processes controlling the mobilization and
enrichment of fluoride in groundwater of the North China Plain. Sci. Total Environ. 2020, 730, 138877. [CrossRef]

8. Su, H.; Kang, W.; Kang, N.; Liu, J.; Li, Z. Hydrogeochemistry and health hazards of fluoride-enriched groundwater in the Tarim
Basin, China. Environ. Res. 2021, 200, 111476. [CrossRef]

9. Gutiérrez, M.; Alarcón-Herrera, M.T. Fluoruro en aguas subterráneas de la región centro-norte de México y su posible origen. Rev.
Int. Contam. Ambient. 2022, 38, 389–397. [CrossRef]

10. Kumar, S.; Singh, R.; Venkatesh, A.S.; Udayabhanu, G.; Sahoo, P.R. Medical Geological assessment of fluoride contaminated
groundwater in parts of Indo-Gangetic Alluvial plains. Sci. Rep. 2019, 9, 16243. [CrossRef]

11. Edmunds, W.M.; Smedley, P.L.; Selinus, O. Fluoride in natural waters. In Essentials of Medical Geology, 2nd ed.; Alloway, B.,
Centeno, J.A., Finkelman, R.B., Fuge, R., Lindh, U., Smedley, P.L., Eds.; Springer: New York, NY, USA, 2013; pp. 311–336.

12. Jiménez-Córdova, M.I.; Sánchez-Peña, L.C.; Barrera-Hernández, A.; González-Horta, C.; Barbier, O.; Del Razo, L.M. Fluoride is
associated with altered metabolism of arsenic in an adult Mexican population. Sci. Total Environ. 2019, 684, 621–628. [CrossRef]
[PubMed]

13. Alarcón-Herrera, M.T.; Martin-Alarcon, D.A.; Gutiérrez, M.; Reynoso-Cuevas, L.; Martín-Domínguez, A.; Olmos-Márquez, M.A.;
Bundschuh, J. Co-occurrence, possible origin, and health-risk assessment of arsenic and fluoride in drinking water sources in
Mexico: Geographical data visualization. Sci. Total Environ. 2020, 698, 134168. [CrossRef] [PubMed]

14. González-Horta, C.; Ballinas-Casarrubias, L.; Sánchez-Ramírez, B.; Ishida, M.C.; Barrera-Hernández, A.; Gutiérrez-Torres, D.;
Zacarias, O.L.; Saunders, R.J.; Drobná, Z.; Mendez, M.A.; et al. A Concurrent Exposure to Arsenic and Fluoride from Drinking
Water in Chihuahua, Mexico. Int. J. Environ. Res. Public Health 2015, 12, 4587–4601. [CrossRef] [PubMed]

15. Navarro, O.; Gonzalez, J.; Júnez-Ferreira, H.E.; Bautista, C.-F.; Cardona, A. Correlation of arsenic and fluoride in the groundwater
for human consumption in a semiarid region of Mexico. Procedia Eng. 2016, 186, 333–340. [CrossRef]

16. Armienta, M.A.; Segovia, N. Arsenic and fluoride in the groundwater of Mexico. Environ. Geochem. Health 2008, 30, 345–353.
[CrossRef] [PubMed]

17. Fernández-Macías, J.C.; Ochoa-Martínez, A.C.; Orta-García, S.T.; Varela-Silva, J.A.; Pérez-Maldonado, I.N. Probabilistic human
health risk assessment associated with fluoride and arsenic co-occurrence in drinking water from the metropolitan area of San
Luis Potosí, Mexico. Environ. Monit. Assessm. 2020, 192, 712. [CrossRef]

18. Li, C.C.; Gao, X.B.; Zhang, X.; Wang, Y.X.; Howard, K. Groundwater fluoride and arsenic mobilization in a typical deep aquifer
system within a semi-arid basin. J. Hydrol. 2022, 609, 127767. [CrossRef]

19. He, X.; Li, P.; Ji, Y.; Wang, Y.; Su, Z.; Elumalai, V. Groundwater arsenic and fluoride and associated arsenicosis and fluorosis in
China: Occurrence, distribution and management. Exp. Health 2020, 12, 355e368. [CrossRef]

20. Maity, J.P.; Vithanage, M.; Kumar, M.; Ghosh, A.; Mohan, D.; Ahmad, A.; Bhattacharya, P. Seven 21st century challenges of
arsenic-fluoride contamination and remediation. Groundw. Sustain. Dev. 2021, 12, 100538. [CrossRef]

88



Environments 2022, 9, 155

21. Cinti, D.; Vaselli, O.; Poncia, P.P.; Brusca, L.; Grassa, F.; Procesi, M.; Tassi, F. Anomalous concentrations of arsenic, fluoride and
radón in volcanic sedimentary aquifers from central Italy: Quality indexes for management of the water resource. Environ. Pollut.
2019, 253, 525–537. [CrossRef]

22. Kumar, M.; Goswami, R.; Patel, A.K.; Srivastava, M.; Das, N. Scenario, perspectives, and mechanism of arsenic and fluoride
co-occurrence in the groundwater: A review. Chemosphere 2020, 249, 126126. [CrossRef] [PubMed]

23. Ortega-Guerrero, M.A. Presencia, distribución, hidrogeoquimica y origen de arsénico, fluoruro y otros elementos traza disueltos
en agua subterránea, a escala de cuenca hidrológica tributaria de Lerma-Chapala, Mexico. Rev. Mex. Cienc. Geol. 2009,
26, 143–161.

24. Reyes-Gómez, V.M.; Alarcón-Herrera, M.T.; Gutiérrez, M.; Núñez-López, D. Fluoride and arsenic in an alluvial aquifer system in
Chihuahua, Mexico: Contaminant levels, potential sources, and co-occurrence. Water Air Soil Pollut. 2013, 224, 1433. [CrossRef]

25. NOM014-SSA1-1993; Norma Oficial Mexicana. Procedimientos Sanitarios Para el Muestreo de Agua Para uso y Consumo
Humano en Sistemas de Abastecimiento de Agua Públicos y Privados. Secretaría de Salud: Mexico City, Mexico, 1993. Available
online: https://dof.gob.mx/nota_detalle.php?codigo=4801645&fecha=12/11/1993#gsc.tab=0 (accessed on 9 December 2022).

26. Rodríguez-Lozano, D.F. Evolución Espacial y Temporal de la Presencia de Fluoruros en el Acuífero Meoqui-Delicias, Chihuahua.
Master’s Thesis, Facultad de Ingenieria, Universidad Autónoma de Chihuahua, Chihuahua, Mexico, 2022.

27. Gutiérrez, M.; Calleros-Rincón, E.Y.; Espino-Valdés, M.S.; Alarcón-Herrera, M.T. Role of nitrogen in assessing the sustainability of
irrigated areas: Case study of northern Mexico. Water Air Soil Pollut. 2021, 232, 148. [CrossRef]

28. NMX-AA-077-SCFI-2001; Determination of Fluoride in natural Wastewaters Treated Wastewaters-Test Method. Secretaría de
Economía: Mexico City, Mexico, 2001. Available online: https://www.gob.mx/cms/uploads/attachment/file/166793/NMX-
AA-077-SCFI-2001.pdf (accessed on 9 December 2022).

29. Lucero, B.A.R.; Gutiérrez, M.; Magaña, J.E.M.; Salcido, F.M.; Fierro, W.M. Salt Content of Dairy Farm Effluents as an Indicator of
Salinization Risk to Soils. Soil Syst. 2018, 2, 61. [CrossRef]

30. Rosecrans, C.; Belitz, K.; Ransom, K.M.; Stackelberg, P.E.; McMahon, P.B. Predicting regional fluoride concentrations at public
and domestic supply depths in basin-fill aquifers of the western United States using a random forest model. Sci. Total Environ.
2022, 806, 150960. [CrossRef]

31. Li, D.; Gao, X.; Wang, Y.; Luo, W. Diverse mechanisms drive fluoride enrichment in groundwater in two neighboring sites in
northern China. Environ. Pollut. 2018, 237, 430–441. [CrossRef]

89





toxics

91



92



μ

div(ui) = 0,

ρ
∂(ui)

∂t
+ ρ

∂(uiuj)

∂xj
= − ∂p

∂xi
+ g·x∇(

ρ

ρ0
) +

∂

∂xj
[μ(

∂ui
∂xj

+
∂uj

∂xi
)] +

∂

∂xj
(−ρu′

iu
′
j),

ρ
∂(T)

∂t
+ ρcp(

∂

∂xj
uiT) = ∇(k∇T) +

1
2

τ : (∇ui +∇uT
j ) +

∂

∂xj
(−ρu′

iT),

ρ
∂(C)

∂t
+ ρ

∂(uiC)
∂xj

= ∇(De f f∇C) +
∂

∂xj
(ρu′

iC),

ρ ρ De f f

De f f
νt

Sct
+ ν

Sc

μt = FCμρ
k2

ε
,

ε
ε

Δ

F = (1, C3ε
Δε

k
3
2
).

μt = Cμ (1, C3ε
Δε

k
3
2
)ρ

k2

ε
.

ε

μt = CμC3εΔρ
√

k,

93



ε

Δgrid Δgrid =

(ΔxΔyΔz)
1
3 ε

ρ
∂(k)
∂t

+ ρ
∂(kui)

∂xi
=

∂

∂xj
[
μt

σk

∂k
∂xj

] + 2μtEijEij − ρε,

ρ
∂(ε)

∂t
+ ρ

∂(εui)

∂xi
=

∂

∂xj
[
μt

σε

∂ε

∂xj
] + C1ε

ε

k
2μtEijEij − C2ερ

ε2

k
,

Cμ = 0.09 σk = 1.00 σε = 1.30 C1ε = 1.44 C2ε = 1.92

ρ
∂(u′

iu
′
j)

∂t + ρ
∂(uku′

iu
′
j)

∂xk

Cij

= − ∂
∂xk

[ρu′
ku′

iu
′
j + p(δkju′

i + δiku′
j)]

DT,ij

+ ∂
∂xk

[μ
∂(u′

iu
′
j)

∂xk
]

DL,ij

− ρ(uku′
k

∂uj
∂xk

+ u′
ju

′
k

∂ui
∂xk

)

Pij

−ρβ(giu′
jθ + gju′

iθ)

Gij

+ p( ∂u′
i

∂xj
+

∂u′
j

∂xi
)

φij

− 2μ
∂u′

i
∂xk

∂u′
j

∂xk

εij

−2ρΩk(u′
ju

′
meikm + u′

iu
′
mejkm)

Fij

ϕ ε

μ

μ

μ

94



− −
− −

95



−

−

−

◦ ◦ ◦ ◦

◦
◦ ◦

◦

◦

× −
× −

96



(a)

(b)

(c) (d) 

97



 
(a) 

 
(b) 

98



−

◦ ◦ ◦
◦

ν × − ◦ β × −
−

◦

Δp =
1
2

C2ρΔnv2 +
μ

α
Δnv,

μ × − v Δn

C2
1
α− × −

99



−
ε

ε
ε

ε

· −

ε ε ω ω

 

100



ϕ =
1

t2 − t1

t2∫
t1

ϕdt,

DR = C
C0

P = 1 − e
−qt
DR

· −

N =
t

∑
0

C
.

V,

.
V

· −

101



g·x∇( ρ
ρ0
)

De f f = 2.5 × 10−4 exp (−684.15
T

).

  

102



103



104



105



106



107



108



109



110



 

Ptot =
∑ Punsa f e,i × Sunsa f e,i

Stot

Ptot Stot Punsa f e,i Sunsa f e,i

111



◦ ◦ ◦ ◦

◦ ◦ ◦ ◦

112



− −
◦

−

 

−
◦

−

113



=

( − )
× 100,

114



115



116



é

117



è

ó ó

118



119





Citation: Taylor, B.K.; Smith, O.T.V.;

Miller, G.E. Chronic Home Radon

Exposure Is Associated with Higher

Inflammatory Biomarker

Concentrations in Children and

Adolescents. Int. J. Environ. Res.

Public Health 2023, 20, 246.

https://doi.org/10.3390/

ijerph20010246

Academic Editors: Esref Demir and

Sam Kacew

Received: 20 October 2022

Revised: 19 December 2022

Accepted: 19 December 2022

Published: 23 December 2022

Copyright: © 2022 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

International  Journal  of

Environmental Research

and Public Health

Article

Chronic Home Radon Exposure Is Associated with Higher
Inflammatory Biomarker Concentrations in Children
and Adolescents

Brittany K. Taylor 1,2,*, OgheneTejiri V. Smith 1 and Gregory E. Miller 3

1 Institute for Human Neuroscience, Boys Town National Research Hospital, Boys Town, NE 68010, USA
2 Department of Pharmacology and Neuroscience, Creighton University, Omaha, NE 68178, USA
3 Institute for Policy Research and Department of Psychology, Northwestern University,

Evanston, IL 60208, USA
* Correspondence: brittany.taylor@boystown.org; Tel.: +1-531-355-8926

Abstract: Children are particularly vulnerable to the deleterious impacts of toxic environmental
exposures, though the effects of some rather ubiquitous toxins have yet to be characterized in youths.
One such toxin, radon gas, is known to accumulate to hazardous levels in homes, and has been linked
with the incidence of lung cancer in aging adults. However, the degree to which chronic home radon
exposure may impact risk for health problems earlier in life is unknown. Herein, we explored the
degree to which chronic home radon exposure relates to biomarkers of low-grade inflammation in
68 youths ages 6- to 14 years old residing in an area of the United States prone to high home radon
concentrations. Parents completed a home radon test kit, and youths provided a saliva sample to
assess concentrations of five biomarkers. Using a multiple regression approach, we found that greater
radon exposure was specifically associated with higher levels of C-reactive protein (β = 0.31, p = 0.007)
and interleukin-1β (β = 0.33, p = 0.016). The data suggested specificity in associations between chronic
home radon exposure and different biomarkers of inflammatory activity and highlight a pathway
which may confer risk for future mental and physical health maladies.

Keywords: CRP; IL-1β; neurotoxicity; environmental exposure; immune dysregulation; youth

1. Introduction

Exposures to environmental toxins can cause a host of acute- and long-term conse-
quences on brain structure and function, which can have cascading effects on cognition,
behavior, and mental wellness. This is especially true for children and adolescents [1,2].
It is well-established that youths face unique, sometimes more severe costs relative to
adults following exposure to toxicants due to modes of toxicant delivery and consumption,
breathing and eating habits, and biological vulnerability during periods of rapid devel-
opment [1,3]. Indeed, a growing body of work has linked exposure to various toxicants,
ranging from ingested heavy metals (e.g., lead) to inhaled pollutants (e.g., particulate
matter), with sensory dysfunction [4], atypical patterns of structural brain development [5],
incidence of specific neurodevelopmental disorders like attention-deficit/hyperactivity
disorder (ADHD; [6,7]), cognitive delays and deficits [8,9], and risk for mood and anxiety
disorders [10,11]. The field of research understanding the neurotoxic effects of environmen-
tal exposures on children is rapidly growing; that said, certain toxins that are known to be
readily present in commonly inhabited environments have been seldom studied for their
impacts on youths.

One understudied, but ubiquitous environmental toxin is radon gas. Radon is a natu-
rally occurring, radioactive byproduct of uranium decay in soil, and is a well-established
carcinogen [12–14]. In fact, radon inhalation is a leading cause of lung cancer globally, sec-
ond only to cigarette smoking [15]. In well-ventilated environments like outdoors, as radon
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gas rises from the soil and enters the air, it quickly dissipates and spreads to non-injurious
levels [16]. However, it is surprisingly common for radon to accumulate to hazardous
concentrations over time in less well-ventilated environments like inside homes and other
structures [17,18]. This issue is critically important when considering the well-established
linear dose–response effect of radon exposure, whereby increased dosage and chronicity of
exposure predictably relates to increasing pathophysiological consequences [13,19].

Across the United States (US), 1 in every 15 homes is expected to have indoor radon
concentrations exceeding the action limit for mitigation defined by the US Environmental
Protection Agency; this limit, established in the 1980s at or above 4 pCi/L, is the carcino-
genic equivalent of smoking 10 cigarettes per day [12,16]. That said, certain areas of the
country where uranium deposits in soil are greater are expected to have even further ele-
vated risks of high radon concentrations. For instance, across eastern Nebraska and through
the entire state of Iowa, at least 50% of all homes are expected to test above the action limit
for indoor radon concentrations [20]. Despite the known pathophysiological risks, and the
well-established pattern of high radon concentrations in many parts of the country, much
of the general public is unaware of the potential consequences of radon [15,21,22]. Thus,
many domiciles remain untested and unmitigated for radon, leaving dwellers chronically
exposed to potentially high doses of this ubiquitous environmental toxin.

Studies in rodent models and in adult humans have repeatedly shown that alpha
radiation enters the respiratory tract when radon gas is inhaled, inducing mutagenic
cellular changes to mucosal tissues lining the tract and subsequently promoting upreg-
ulation of proinflammatory activities [23,24]. Studies exploring the patterns of immune
dysregulation associated with radon inhalation are varied and minimal to date, though
researchers have reported upregulation of an array of inflammatory proteins including sev-
eral interleukins [25–27], and tumor necrosis factor-alpha (TNF-α; [28]). Chronic increases
in circulating proinflammatory biomarkers have been associated with cascading effects
on the brain, cognition, behavior, and mental and physical illness [29–33]. These effects
can be particularly detrimental among children and adolescents, for whom the brain is
highly plastic and vulnerable to physiological stress signals [34–36]. These associations are
well-established in many contexts, but research has yet to explore the degree to which expo-
sure to radon gas may be associated with inflammatory activity in youths and potentially
increasing their risk for downstream deficits in mental and physical wellness.

The present study explored the extent to which chronic home radon exposure was as-
sociated with alterations in inflammatory activity among children and adolescents. Herein,
we focus on a sample of typically developing youths residing in eastern Nebraska and
western Iowa, where radon concentrations are expected to exceed the US EPA action limit
for mitigation in at least 50% of dwellings [16,20]. Families completed a home radon test
kit to measure individual-level home radon concentrations, and they provided information
about the dwelling itself and how long the family has lived in the tested residence. Youths
also provided saliva samples from which we measured concentrations of five different
inflammatory biomarkers. Because of our unique interest in potential impacts on the
brain, we focused on biomarkers of inflammation that have been previously implicated in
structural and functional neural outcomes. We also controlled for a number of anthropo-
metric, maturational, and socioeconomic factors that are known to influence inflammatory
activity. We anticipated that, above and beyond potential confounding factors, increasing
radon exposure, defined as the combination of home radon concentrations and duration of
exposure, would be associated with higher levels of in inflammatory biomarkers in youths.
We did not have hypotheses about specific markers that may be more strongly linked with
radon given the limited literature.

2. Materials and Methods

2.1. Participants

Children and adolescents who were part of an ongoing observational study of neu-
rocognitive development were invited to participate in the current protocol. A total of
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68 youths ages 6 to 14 years-old (M = 10.27 years, SD = 2.59; 33 male) consented to the study,
and their families completed a home radon test kit. Youths included in this investigation
did not differ from those in the larger study on the basis of age (t = −1.93, p = 0.06), SES
(t = −0.96, p = 0.34), sex (χ2 = 1.01, p = 0.32), race (χ2 = 4.60, p = 0.20), or ethnicity (χ2 = 3.03,
p = 0.22). Exclusion criteria included history of head trauma, neurological disorder or other
medical illness affecting brain function, current substance abuse, and standard neuroimag-
ing exclusions (e.g., dental braces, other non-removable ferromagnetic materials on the
body). All parents of child participants provided signed informed consent, and youth
participants gave signed assent to participate in the study. All procedures were approved
by the local Institutional Review Board.

2.2. Home Radon Testing

Families were provided with a commercial short-term home radon testing kit (https:
//www.radon.com/ , Accessed on 19 October 2022). The test kit is a standard carbon-based
envelope that hangs on an interior wall on the lowest livable level of the home for three to
seven days. After the testing period, the envelope is sealed and dropped in the mail for
processing at the commercial lab. Parents were given the test kit along with instructions
from the commercial vendor for proper exposure. We instructed families to leave the kit
exposed for approximately four days. Our lab and the family each received a copy of the
home radon results. In the case that a result exceeded the EPA action limit for mitigation
(≥4 pCi/L), the principal investigator called the family to ensure they understood the
results and provided additional information on radon safety and local resources.

Given prior work suggesting that radon concentrations significantly vary seasonally,
we provided a subset of 21 families with two radon kits. One kit was completed during
summer months (June through September), and one during winter months (December
through March). We compared the radon concentrations yielded from the two measurement
periods to determine whether there was significant variability using a Wilcoxon Z test
given the non-normal distribution of radon concentrations.

2.3. Questionnaires and Biometrics

Youths assessed for height and weight during a regularly scheduled lab visit. Height
in centimeters and weight in kilograms were recorded for each child and used to compute
each individual’s body mass index (BMI) in accordance with standard procedures.

To assess pubertal development, youths or parents were asked to complete the Pubertal
Development Scale (PDS; [37]). Specifically, if the child was under the age of 11 years
old, we asked the parent to complete the survey. Youths who were 11 years old and older
completed the survey themselves. Surveys were completed in a private room on a computer.
A trained research assistant was available to answer any questions. We computed a pubertal
development stage from the PDS in accordance with recommendations by Shirtcliff, Dahl,
and Pollak [38], the end result being a score parallel to Tanner staging.

Parents were asked to complete a brief questionnaire when they began their home
radon testing for the study. The custom-designed questionnaire asked for details about
the construction of the home (e.g., how many stories, type of foundation, location of chil-
dren’s bedrooms), how long the family lived in the home, whether the home had ever
been tested/mitigated for radon, and whether anyone in the home smoked cigarettes.
The questionnaire was completed remotely at the parent’s convenience via the Collabora-
tive Informatics and Neuroimaging Suite (https://coins.trendscenter.org/ , Accessed on
19 October 2022).

In addition to the custom radon questionnaire, parents completed the Barratt Sim-
plified Measure of Social Status [39], which assesses parental education and occupation
to provide a numeric index of socioeconomic status. Scores can range from 17 to 66,
with higher scores indicating higher SES. This survey was completed during a visit to
the laboratory.
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2.4. Computing a Radon Exposure Index

Because the effects of radon exposure are cumulative, we computed a radon exposure
index per participant. The index was defined as the child’s home radon concentration (in
pCi/L) obtained from the home testing kit multiplied by the amount of time they lived in
that home (in years). That value was natural log transformed (see Equation (1)), providing
us with a normally distributed index of chronic radon exposure in their current home. Of
note, we achieved similar results when computing the radon index with exposure time
computed in months versus years.

Radon Exposure Index = ln ([radon concentration × exposure time] + 1) (1)

2.5. Saliva Sample Acquisition and Analysis

During a visit to the laboratory, youths were asked to provide a saliva sample. As
such, children were told to refrain from eating, drinking, or chewing gum for at least an
hour prior to sample collection. Participants were instructed to passively drool into an
Oragene DISCOVER (OGR-500; www.dnagenotek.com, Accessed on 19 October 2022) until
liquid (not bubble) saliva reached the indicated fill line on the tube. Thus, we collected at
least 2 mL of whole unstimulated saliva from each child. Samples were stored at −20 ◦C
until processing at the University of Nebraska Lincoln Salivary Biosciences Laboratory
(https://cb3.unl.edu/sbl/ , Accessed on 19 October 2022). Samples were processed for
concentrations of CRP, interleukin (IL)-1β, IL-6, IL-8, and TNF-α using commercially
available assay kits (Salimetrics; www.salimetrics.com). We specifically used Meso Scale
Discovery electrochemiluminescence cytokine assay kits for the interleukins and TNF-
α, which provided additional sensitivity for cytokines that are naturally low in healthy
populations. All assays were completed in duplicate, and the average of the two measures
was used for analyses. Sensitivity, analytic range, and inter- and intra-assay coefficients
of variability for each assay are listed in Table 1. In the case that a result was below the
functional sensitivity for the assay, we replaced the value with half the lower limit of
quantification (CRP: n = 7, IL-6: n = 1, and TNF-α: n = 1). The final values were then natural
log transformed (ln [value + 1]) and inspected for normality. Log-transformed values
exceeding three standard deviations above the group mean were excluded as outliers (CRP:
n = 1, IL-8: n = 1).

Table 1. Characteristics of assays for inflammatory markers in the current study.

Assay Range
Analytical
Sensitivity

Functional
Sensitivity

Intra-Assay
CV

Inter-Assay
CV

CRP 25–1600 pg/mL 0.042 pg/mL 19.44 pg/mL 1.93% 3.58%
IL-1β 0.646–375 pg/mL 0.05 pg/mL 0.646 pg/mL 2.65% 4.98%
IL-6 0.633–488 pg/mL 0.06 pg/mL 0.633 pg/mL 3.85% 2.88%
IL-8 0.591–375 pg/mL 0.07 pg/mL 0.591 pg/mL 1.31% 3.12%

TNF-α 0.690–248 pg/mL 0.04 pg/mL 0.690 pg/mL 4.90% 3.19%

2.6. Statistical Analysis

The main goal of the current study was to quantify the degree to which home radon
exposure is associated with inflammation in children and adolescents. To address this aim,
we constructed a multiple regression type model in which the radon exposure index was
modeled as a predictor of each of the inflammatory markers (CRP, IL-1β, IL-6, IL-8, and
TNF-α). All inflammatory markers were allowed to freely correlate. Statistical significance
of hypothesized associations (i.e., those between radon exposure and each inflammatory
biomarker) was determined using an α < 0.05 threshold after correction for multiple com-
parisons via false discovery rate (FDR). We included age, sex, BMI, and SES as control
variables on each of the inflammatory measures of interest. Of note, we did attempt an
alternative model in which all control variables were enforced on the radon exposure index
as well, but there were no significant effects of any control variables on radon exposure.
Thus, we report the model without control variables imposed on radon exposure in favor
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of the more parsimonious model. The conceptual model is shown in Figure 1. Several in-
flammatory markers were missing across participants for various reasons including outlier
data, contaminated saliva samples (i.e., food residue present in sample), or inadequate
saliva sample volume to complete all assays. Thus, the model was tested with and without
missing data estimation using full-information maximum likelihood (FIML). Because the
conclusions were the same regardless, we report the results from the analysis using FIML
for robustness. As an exploratory follow-up to compare parameter estimates, we computed
Z scores based on the unstandardized beta and standard error of the associations of interest
(Z = [b1–b2]/

√
[SE1

2 + SE2
2]). All parameters were freely estimated using Mplus version 8.1.

An a priori power analysis for a multiple regression with 6 predictors, power = 0.80, α = 0.05,
and small effect size of f2 = 0.15 suggested a minimum sample size of 55 participants, thus
we were sufficiently powered to conduct our analyses and detect relatively small effects.

 

Figure 1. Conceptual model. Radon exposure is modeled as a predictor of each of the inflamma-
tory markers of interest. Age, sex, SES, pubertal development, and BMI serve as control variables
on all inflammatory markers. Single-headed arrows indicate directional, predictive relationships.
Double-headed curved arrows show correlations. For clarity, control associations are shown in gray,
and predictive relationships of interest are shown in black. Sex was dummy coded as 0 = “male”,
1 = “female”. “BMI” = body mass index; “CRP” = c-reactive protein; “IL” = interleukin; “PDS” = pu-
bertal development stage; “SES” = socioeconomic status; “TNF-α” = tumor necrosis factor alpha.

3. Results

3.1. Sample Characteristics

Of the 68 youths who consented to the study, 10 did not successfully complete the
home radon testing. Two of the tests were exposed for too long (i.e., longer than seven
days), and the other eight took more than 11 days after completing the test exposure to
arrive at the lab for processing. As such, the results from these test kits were unreliable.
Additionally, one child who completed the radon testing did not provide a saliva sample.
Thus, the final sample was comprised of 57 youths between the ages of 6 and 14 years-old
(Mage = 10.57 years, SD = 2.55; 28 male). Youths’ BMIs were generally healthy, though there
was notable variability as would be expected in the study sample age range (M = 19.04,
SD = 5.07). SES as indexed by the BSMSS suggested that the sample was largely comprised
of middle- to upper-class families, with scores ranging from 31.67 to 64.50 (M = 47.82,
SD = 7.26). Of note, one family did report that one person in the home smoked cigarettes.

3.2. Radon and Inflammation Descriptives

Home radon test kits were exposed in participants’ homes for an average of 113.95 h
(SD = 26.25). As expected, over half of homes tested in the current study (67%) had radon
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concentrations above the EPA action limit for mitigation (Figure 1). Radon levels ranged
from <0.3 to 33.3 pCi/L (M = 6.60 pCi/L, SD = 7.43). As mentioned previously, a subset of
21 families completed two radon test kits: one during summer months, and one during
winter months. Two of the families did take action to mitigate radon between test periods.
However, even including these families in the analysis, we did not detect any significant
difference in home radon concentrations acquired during summer (mean rank = 11.05,
M = 8.53 pCi/L, SD = 8.10, range = 2.0–32.1 pCi/L) versus winter (mean rank = 9.95,
M = 6.14 pCi/L, SD = 5.59, range = 0.3–18.0 pCi/L), Wilcoxon Z = −0.21, p = .84.

Youths in the study lived in their homes for 3.62 years on average (SD = 3.27). We used
these data to compute our radon exposure index (ln ([radon concentration × exposure time]
+ 1)). The final index capturing chronic home radon exposure was normally distributed
(M = 2.37, SD = 1.29; Figure 2). Finally, descriptive statistics for each of the inflammatory
markers are reported in Table 2. Note that we report data prior to, as well as after natural
log transformation.

Figure 2. Histogram of acquired home radon concentrations (a) and of the computed radon exposure
index (b). The left histogram is marked with the WHO and the US EPA action limits for indoor radon
concentrations (at or above 2.7 and 4.0 pCi/L, respectively). The radon exposure index, calculated at
the natural log of home radon concentrations multiplied by the amount of time the person has lived
in their home (+1), is relatively normally distributed.

Table 2. Descriptive statistics for each of the inflammatory markers (pg/mL) before and after natural
log transformation.

Original (pg/mL) Natural Log Transformed

M SD Range M SD Range

CRP 319.74 1651.54 9.72–12,466.16 3.96 1.36 2.37–9.43
IL-1β 115.00 134.32 24.03–791.56 4.43 0.75 3.22–6.68
IL-6 7.21 10.23 0.32–58.79 1.67 0.86 0.27–4.09
IL-8 881.89 675.63 280.02–4292.42 6.62 0.54 5.64–8.36

TNF-α 5.10 5.18 0.35–25.76 1.58 0.65 0.30–3.29

3.3. Associations between Radon and Inflammation

We tested the degree to which the radon exposure index, a measure of chronic home
radon exposure, was associated with each of the inflammatory markers while controlling
for the potentially confounding effects of age, sex, and SES. A complete correlation matrix
of the variables included in the final model is provided in Table 3. Above and beyond
the effects of key demographic factors, radon exposure was significantly associated with
both CRP (β = 0.31, b = 0.28, p = 0.007, pFDR = 0.035) and IL-1β (β = 0.33, b = 0.19,
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p = 0.016, pFDR = 0.040; Figure 3 and Table 4). The data suggested that youths with
greater radon exposure tended to have higher concentrations of these two inflammatory
markers (Figure 3). There was a small, but non-statistically significant association between
radon exposure and TNF-α (β = 0.22, b = 0.11, p = 0.104, pFDR = 0.173), and associations
with both IL-8 and IL-6 were near zero. Finally, follow-up comparison of the parameter
estimates showed that the relationship between radon exposure and CRP was significantly
stronger than the association between radon exposure and IL-8 (Z = 2.10, p = 0.035), and
was marginally stronger than the association between radon exposure and IL-6 (Z = 1.81,
p = 0.070).

Table 3. Correlations among all variables included in the model.

1 2 3 4 5 6 7 8 9 10 11

1. Radon Exposure –
2. CRP 0.34 –
3. IL-1β 0.28 0.32 –
4. IL-6 0.10 0.20 0.40 –
5. IL-8 0.12 0.33 0.53 0.45 –
6. TNF-α 0.28 0.21 0.79 0.58 0.68 –
7. Age 0.20 0.21 0.13 0.10 −0.08 −0.04 –
8. PDS 0.13 0.36 0.17 −0.02 −0.05 −0.12 0.72 –
9. Sex −0.10 0.10 −0.03 −0.07 −0.27 −0.29 0.08 0.40 –
10. SES −0.18 −0.01 −0.28 −0.29 −0.08 −0.34 −0.14 −0.05 −0.01 –
11. BMI 0.12 0.51 0.17 −0.04 −0.01 −0.06 0.46 0.64 0.25 −0.11 –

Note: All inflammatory markers were natural log transformed; Sex was dummy coded as 0 = “male”, 1 = “female”.
“BMI” = body mass index; “CRP” = c-reactive protein; “IL” = interleukin; “PDS” = pubertal development stage;
“SES” = socioeconomic status; “TNF-α” = tumor necrosis factor alpha.

 

Figure 3. Model results. For simplicity, only associations of interest between radon exposure and
inflammatory markers (regardless of statistical significance), and other effects significant at the
pFDR < 0.05 level are shown. All inflammatory markers were natural log transformed. All parame-
ters reported in the figure are standardized coefficients. Solid lines indicate statistically significant
associations at the pFDR < 0.05 level, and dashed lines show non-statistically significant associations
(pFDR > 0.05). Scatterplots show the statistically significant associations between the radon exposure
index and natural log transformed CRP (top), and IL-1β (bottom) after adjusting for the effects of
age, sex, pubertal development, BMI, and SES. Sex was dummy coded as 0 = “male”, 1 = “female”.
“BMI” = body mass index; “CRP” = c-reactive protein; “IL” = interleukin; “PDS” = pubertal develop-
ment stage; “SES” = socioeconomic status; “TNF-α” = tumor necrosis factor alpha. Scatterplots of
significant associations between radon exposure and inflammatory markers.
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Table 4. Complete model results exploring associations between radon exposure and inflammatory
markers, controlling for age, sex, SES, BMI, and PDS.

Path β b SE b/SE p

CRP On

Radon Exposure 0.307 0.277 0.103 2.682 0.007
Age −0.176 −0.080 0.076 −1.053 0.292
Sex −0.040 −0.093 0.290 −0.322 0.747
SES 0.076 0.012 0.018 0.686 0.492
PDS 0.169 0.160 0.193 0.827 0.408
BMI 0.466 0.106 0.032 3.264 0.001

IL-β on

Radon Exposure 0.328 0.191 0.079 2.405 0.016
Age −0.158 −0.046 0.079 −0.583 0.560
Sex −0.102 −0.152 0.297 −0.512 0.609
SES −0.225 −0.023 0.016 −1.455 0.146
PDS 0.246 0.150 0.192 0.783 0.434
BMI 0.047 0.007 0.025 0.274 0.784

IL-6 on

Radon Exposure 0.044 0.028 0.090 0.322 0.747
Age 0.133 0.045 0.066 0.675 0.499
Sex −0.035 −0.061 0.262 −0.231 0.817
SES −0.279 −0.033 0.016 −2.121 0.034
PDS −0.061 −0.043 0.168 −0.254 0.799
BMI −0.086 −0.014 0.028 −0.515 0.606

IL-8 on

Radon Exposure 0.087 0.030 0.057 0.532 0.595
Age −0.287 −0.050 0.048 −1.044 0.297
Sex −3.49 −0.313 0.186 −1.686 0.092
SES −0.092 −0.006 0.010 −0.565 0.572
PDS 0.272 0.100 0.119 0.837 0.403
BMI 0.011 0.001 0.019 0.054 0.957

TNF-α on

Radon Exposure 0.217 0.105 0.064 1.626 0.104
Age −0.146 −0.036 0.064 −0.559 0.576
Sex −0.284 −0.352 0.230 −1.535 0.125
SES −0.326 −0.028 0.012 −2.241 0.025
PDS 0.073 0.037 0.154 0.240 0.811
BMI −0.029 −0.003 0.020 −0.173 0.863

CRP with

IL-1β 0.186 0.114 0.103 1.107 0.268
IL-6 0.299 0.225 0.107 2.095 0.036
IL-8 0.390 0.152 0.068 2.232 0.026

TNF-α 0.256 0.127 0.082 1.550 0.121

IL-1β with

IL-6 0.376 0.201 0.095 2.111 0.035
IL-8 0.539 0.149 0.054 2.747 0.006

TNF-α 0.807 0.284 0.077 3.668 <0.001

IL-6 with

IL-8 0.471 0.161 0.063 2.539 0.011
TNF-α 0.561 0.243 0.079 3.091 0.002

IL-8 with

TNF-α 0.675 0.152 0.048 3.190 0.001

Note: Sex was dummy coded as 0 = “male”, 1 = “female”; “BMI” = body mass index; “CRP” = c-reactive protein;
“IL” = interleukin; “PDS” = pubertal development stage; “SES” = socioeconomic status; “TNF-α” = tumor necrosis
factor alpha all inflammatory markers were natural log transformed; statistically significant effects at the p < 0.05
level are bolded for clarity.

4. Discussion

The present investigation explored the association between chronic radon exposure
and inflammatory activity in a sample of typically developing youths residing in a region
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of the US that is expected to have high indoor radon concentrations. In line with EPA
estimates, over half of households tested in the present study did have radon concentrations
exceeding the action limit at or above 4 pCi/L. Further, our key finding was that greater
radon exposure, defined as the combination of home radon concentration and chronicity
of exposure, was associated with higher concentrations of both CRP and IL-1β. We also
detected a similar, trending association between radon exposure and TNF-α. We discuss
the implications below.

Overall, the data at least partially supported our primary hypothesis that chronic
radon exposure would be associated with higher inflammatory activity in children and
adolescents. This was well-aligned with prior works showing that inhaled environmental
toxicants (e.g., ultrafine particulate matter) tend to stimulate inflammatory activities [40,41].
Interestingly, we demonstrated specificity in the inflammatory markers with only CRP
and IL-1β significantly increasing as a function of increasing home radon exposure. There
was also a trending association with TNF-α, which may be significant with a larger study
sample. Importantly, these associations were detected above and beyond the effects of
socioeconomic, anthropometric, and maturational effects that are known to covary with
levels of circulating inflammatory activity [42–44]. These findings generate many new
hypotheses as they suggest a potential role of home radon exposure on oral inflammation
in youths, which could have implications for neural development, psychological well-being,
and overall physical health.

Both CRP and IL-1β have been implicated in the pathophysiology of psychological
conditions, particularly major depressive disorders [45–47]. For instance, a longitudinal
study in adults showed that individuals with greater levels of circulating CRP at the
start of the study had more severe depressive symptomology, and were more likely to
have experienced a major depressive relapse nine years later [47]. In another study using
rodent models, Fourrier and colleagues [48] demonstrated that overexpression of IL-1β
and TNF-α was associated with disrupted learning and memory, both of which play a
major role in psychiatric health. The authors suggested that the effects may be explained
by alterations to neural tissues, with demonstrated reductions in synaptic plasticity in the
hippocampus [48]. Numerous studies have explored the links between neuroinflammatory
activities and structural brain health. Indeed, research has shown that higher levels of
both CRP and IL-1β are associated with atherosclerosis in the brain, reduced white matter
fractional anisotropy (i.e., microstructural integrity), and impaired synaptic plasticity and
neurogenesis [48–52]. Further, studies have also shown altered functional neural activity
coupled with inflammatory activity in circulation [53–55], which is also associated with
decrements in cognition and psychological wellness. Of note, all of these studies have
focused on systemic inflammatory activity, and it remains unclear whether the patterns we
observed here—in oral tissue—would have similar consequences for the brain.

Recent reviews do suggest that chronically elevated inflammatory activity early in life
can and often does have long-term consequences [35,56]. This is critical when considering
a new and burgeoning line of research linking chronic radon exposure to neurodegener-
ative diseases later in life, including multiple sclerosis, Alzheimer’s Disease and related
dementias, and Parkinson’s Disease [57–60]. It is possible that chronic radon exposure
starting early in life may, at least in part, contribute to later life neuropathologies due
to continuously elevated inflammation. Further work is needed to understand if and
how neuroinflammatory profiles may mediate long-term effects of radon exposure on
neurological health.

With respect to physical health, inflammation induced by radon exposure, among
other potential pollutants, is known to cause cascading effects on immune health overall
and can confer risk for physical illnesses [61,62]. For instance, given the damage caused
to respiratory epithelium, inhaled radon gas has been linked to the incidence of numer-
ous respiratory diseases in childhood well before any type of carcinogenesis is detected;
among the most common health maladies are asthma and chronic obstructive pulmonary
disease (COPD) [62,63]. Such illnesses are associated with increasing lifetime burdens for
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the individual and for society, including school- and work-related losses, medical costs,
limitation of physical activities, and overall lower quality of life [64]. Importantly, these
chronic conditions are known to be exacerbated in the context of combined exposures to
radon and other pollutants (e.g., phthalates, secondhand smoke; [65]). Given that radon is
easily mitigated from homes, this seems an easy target to potentially quell the impacts of
these lifelong conditions and improve quality of life for a large sect of the population.

In contrast to prior work [25–27], we did not detect associations between radon
exposure and either IL-6 or IL-8. Typically, IL-6 has been associated with radon exposure
under extreme circumstances. For example, Leng et al. [25] explored IL-6 as a promotor of
lung squamous cell carcinoma in former uranium miners who would have been chronically
exposed to extreme levels of radon and other potentially toxic compounds in their working
environment. Similarly, Narayanan and colleagues [27] studies IL-8 in vitro in alpha-
irradiated lung fibroblasts. Such conditions are not necessarily representative of effects in
living humans, nor do they reflect the more normative, domestic radon exposure effects that
we studied herein. Even so, future works should still consider IL-6 and IL-8 in the context
of radon exposure given their known responses to other forms of ionizing radiation [66]. It
is possible that the model we tested in our study did not adequately capture the roles of
these interleukins. Van Der Meeren and colleagues [67] suggested that IL-6 and IL-8 might
be better described as inflammatory mediators, serving as an important process linking
environmental exposures and other downstream proinflammatory activities. More recent
works have also demonstrated unique and interactive effects of different isoforms of CRP
with both IL-6 and IL-8 [68]. Future works would require larger samples to adequately
model the potentially complex mediating and moderating effects of different inflammatory
activities following chronic home radon exposure.

Another contrasting body of work using controlled dosing in rodent models suggests
that radon inhalation may actually inhibit proinflammatory activities by increasing the
body’s production of reactive oxygen species (ROS; e.g., [69,70]). Indeed, some work
suggests potential therapeutic effects of brief, low-level radon exposures in specialized
radon spas, particularly for relieving symptoms of inflammatory conditions like rheumatoid
arthritis [71,72]. From this and dissenting literature, it is clear that the effects of radon on
the body are complex in nature and may vary based on dosage, frequency, and mode of
exposure (i.e., inhaled, ingested, etc). Further work is needed to better characterize the full
effects of radon exposure on the human immune system.

Generally speaking, the literature provides sound evidence for the biological plau-
sibility that cytokines may circulate in higher quantities in the presence of persistent
environmental stressors (e.g., [73,74], including exposure to inhaled toxicants like radon
(e.g., [25,27,28]). That said, increases in circulating cytokines is likely not the complete story.
Biochemically, many cytokines, including those measured in the current investigation,
have relatively short half-lives ranging from 18 min to roughly 30 h depending on the
model organism and measurement modality [75,76]. Although the continued exposure
to radon gas would likely perpetuate the production of these inflammatory biomarkers,
their effects downstream on other biochemical processes like oxidative stress and damage
to DNA [60,70,77,78] likely also play important roles in any noted effects of radon on the
functioning system/ Future investigations should incorporate additional measurements of
the biological impacts of radon exposure in vivo in children.

Before closing, it is important to recognize the limitations of the study. First off, radon
was only assessed through short-term home radon test kits (three- to seven-day measure-
ment period). Although the kits utilized herein are generally reliable, they are susceptible
to inaccuracies due to intermediary factors including adverse weather at the time of testing,
open doors or windows during the exposure period, and damp conditions in the location of
the test. Further, historical ecidence suggests that radon concentrations vary across seasons,
which would not be captured with such short-term measurements. Although we did not
detect seasonal variability in the subset of participants who completed tests in both summer
and winter months, this was a small sample and requires additional verification. Deploying
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multiple test kits simultaneously during multiple seasons would help solidify the relia-
bility of measurements obtained, and help clarify the degree of seasonal variability in the
local area; this is a study design limitation that could be easily addressed in future works.
Alternatively, studies do suggest that longer-term kits exposed anywhere from 30 days to
one year can more accurately measure radon concentrations within a dwelling [21], and
these tests do tend to be quite robust against the aforementioned conditions. Second, the
test kits used herein only assessed current home radon concentrations. Although we did
approximate cumulative exposure based on the current home radon concentration and the
amount of time the child had lived in the home, there may be better ways to assess lifetime
exposure more accurately, especially if the child has lived in multiple homes for which we
had no radon data. It is possible with specialized equipment to measure historic home
radon concentrations if the family is able to provide a sample of glass that has been in the
dwelling for the desired timeframe (i.e., the child’s lifetime; [79–81]). Another limitation is
that we only measured radon concentrations in homes. Although the home is the greatest
source of indoor radon exposure for most people [82], children are exposed to radon in
other venues including schools. Future studies may consider adding measurements of
other commonly occupied facilities as well.

Aside from the radon measurements, there were several other limitations to this study.
The investigation was cross-sectional, but a longitudinal design would allow for clearer
linkages between the chronicity of radon exposure and inflammatory activity. Additionally,
inflammatory markers were only assessed using saliva samples, which can be contaminated
by oral health, and whose relevance for brain development and psychiatric illness is
less clear. Future investigations can address these issues by measuring inflammatory
biomarkers in circulating blood, or in biopsied tissue procured medical procedures (e.g.,
bronchoscopy). Finally, we did not have information on potential physical comorbidities
that could have impacted inflammation and/or the effects of radon (e.g., asthma), and
we did not control for other pollutants like secondhand smoke exposure (note that only
one family reported any smokers in the home). Future investigations would benefit from
additional controls for such comorbidities and concomitant exposure.

5. Conclusions

To conclude, the findings of the present study contribute to a growing body of work
exploring the inflammatory consequences of an array of environmental toxic exposures.
The work we presented herein focused on the inflammatory effects of a specific toxin, home
radon, which has been sorely understudied for its potential effects on developing youths.
We found significantly elevated concentrations of multiple inflammatory biomarkers as a
function of increasing home radon exposure. These data provide insight into the biological
effects of chronic radon exposure and support the need for further characterization of the
effects of this ubiquitous environmental toxin on the developing body.
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Abstract: Organotin compounds (OTCs) are a commercially important group of organometallic
compounds of tin used globally as polyvinyl chloride stabilizers and marine antifouling biocides.
Worldwide use of OTCs has resulted in their ubiquitous presence in ecosystems across all the conti-
nents. OTCs have metabolic and endocrine disrupting effects in marine and terrestrial organisms.
Thus, harmful OTCs (tributyltin) have been banned by the International Convention on the Control
of Harmful Antifouling Systems since 2008. However, continued manufacturing by non-member
countries poses a substantial risk for animal and human health. In this study, structural binding of
common commercial OTCs, tributyltin (TBT), dibutyltin (DBT), monobutyltin (MBT), triphenyltin
(TPT), diphenyltin (DPT), monophenyltin (MPT), and azocyclotin (ACT) against sex-steroid nu-
clear receptors, androgen receptor (AR), and estrogen receptors (ERα, ERβ) was performed using
molecular docking and MD simulation. TBT, DBT, DPT, and MPT bound deep within the binding
sites of AR, ERα, and Erβ, showing good dock score, binding energy and dissociation constants
that were comparable to bound native ligands, testosterone and estradiol. The stability of docking
complex was shown by MD simulation of organotin/receptor complex with RMSD, RMSF, Rg, and
SASA plots showing stable interaction, low deviation, and compactness of the complex. A high
commonality (50–100%) of interacting residues of ERα and ERβ for the docked ligands and bound
native ligand (estradiol) indicated that the organotin compounds bound in the same binding site of
the receptor as the native ligand. The results suggested that organotins may interfere with the natural
steroid/receptor binding and perturb steroid signaling.

Keywords: organotins; butyltin; phenyltin; azocyclotin; androgen receptor; estrogen receptor;
molecular docking; MD simulation; endocrine disruption

1. Introduction

Organotin compounds (OTCs), also called as stannanes, are a large class of organometal-
lic compounds having at least one tin atom covalently bound to a carbon atom with a
general formula ‘RSnX’ where ‘R’ represents an organic group, i.e., alkyl, phenyl, etc., and
‘X’ an anion such as chloride, fluoride, oxide, etc. [1–5]. Tin metal and its alloys have been
used by humans for more than 6000 years, however, the first OTC was synthesized only
about 175 years back in the year 1853, and, for nearly another 100 years, OTCs were not
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found to have any industrial utility for want of commercial applications [5,6]. As of now,
there are more than 800 OTCs known, and, barring a few, all of them are anthropogenic [7].
OTCs constitute one the largest group of organometallic compounds in commercial use
globally, and the United States and China are the largest consumers of OTCs, followed by
Western Europe, the Middle East, and others [8]. The downside of the increased industrial
applications and use has been that considerable amounts of OTCs have entered various
ecosystems, and OTCs are now ubiquitous in the environment. The worldwide higher use
and demand have resulted in an increase in global production of OTCs during the last
several decades. Overall, the maximum utilization of OTCs is as polyvinyl chloride (PVC)
stabilizers (about 70–80% of global consumption) and remaining as biocides [5,6,9].

OTCs are classified according to the number of organic functional groups on the tin
atom or the number of ‘carbon-tin’ bonds, e.g., mono-, di-, tri-, and tetra-organotin com-
pounds [5]. Generally, mono- and di-substituted OTCs, e.g., dibutyltin (DBT), diphenyltin
(DPT), etc., are used as heat stabilizers for PVC plastics, lubricating oils, hydrogen perox-
ide, and polyolefins and as catalysts in the production of polyurethane foam, polymers,
esters, plastisol prints, rubber, adhesives, etc., with applications in apparel and footwear
industries [2,5]. Tri-substituted OTCs, e.g., tributyltin (TBT), triphenyltin (TPT), etc., have
been used extensively as biocides, such as antifouling paints for boats, timber preservatives,
preservatives in textiles, leathers and synthetic leathers, fungicides in crops including
potatoes, sugar beets, and pecans, and as pesticides [2,5,10]. OTCs are also utilized in
silicone-based finishes having elastomeric and water repellency properties. The seven most
common OTCs commercially available for a variety of industrial applications are TBT, DBT,
monobutyltin (MBT), TPT, DPT, monophenyltin (MPT), and azocyclotin (ACT).

Environmental contamination with OTCs has been reported to be mainly through
agricultural runoffs and marine aquatic environment due to leaching from antifouling
paints, treated timber, PVC pipes, and other contaminated material [4,5,10]. Biodegradation
half-lives of organotins are generally shorter in tri-substituted organotins compared to
di-substituted organotins, whereas monosubstituted organotins have the longest half-lives.
The half-lives are longer in both seawater and soil/sediment than in fresh water and can
range from six months to 15 years [5]. The ‘C-Sn’ bond of organotins is comparatively
stable, as the anionic group is reported to dissociate easily on hydrolysis in water. Human
exposure occurs through drinking water and eating food, especially aquatic food such as
fish and other marine animals. The global terrestrial and aquatic contamination and the
adverse effects on non-target organisms including abnormalities in shell calcification in
oysters and the masculinization of female gastropods—imposex has resulted in outlawing
the use of OTs, especially tributyltin in marine paints in 2008 under the International
Convention on the Control of Harmful Antifouling Systems on Ships and World Health
Organization [5,10,11]. However, developing nations that are not members of the Interna-
tional Maritime Organization are still permitted to use OTCs for industrial and agricultural
purposes. Organotins have been found in household dust in many countries, including
the United States and Germany [12,13]. Due to an increase in the usage of antifouling
paints containing organotin compounds, organotin contaminations have also been observed
in Saudi Arabia in recent years in fishing harbors of various coastal sites in the Eastern
Province (Jubail, Khobar, and Qatif) [14,15]; the estimations of the contamination have
shown more phenyltins than other organotins. The detection of high concentrations of
hazardous triorganotins in the commercially important fish species caught from Arabian
Gulf is of particular concern for human health in Saudi Arabia [16].

Limited epidemiological studies have been reported on the exposure of humans to
organotin toxicity. In the United States, MBT, DBT, and TBT were detected in 70% of the hu-
man blood samples that were tested [17]. The potential toxicological significance of OTCs to
humans on the basis of animal experiments indicates diverse health problems including im-
munosuppression, endocrine problems, neurotoxicity, metabolic and enzymatic problems,
ocular, cardiovascular, gastrointestinal, reproductive, developmental, and several other
problems [18]. OTCs cause morphological and functional changes in a number of tissues in
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animals that are involved in the regulation of endocrine function and metabolism in mam-
mals, including the hypothalamus, pituitary, pancreas, gonads, adipose tissue, adrenal, and
thyroid glands [19,20]. In regard to reproductive problems in humans, organotin exposure
has been associated with congenital abnormalities in neonates such as cryptorchidism and
hormone disbalance for LH and testosterone in newborn boys [21]. Organotins have been
also reported to cause metabolic dysfunction in animal models similar to polycystic ovarian
syndrome (PCOS) in women [22]. In animals, organotin exposure leads to phenotypic
abnormalities, aberrant changes in hormones, transcriptome and proteome modifications,
behavioral changes, and characteristic sexual organ masculinization called imposex, in
which female gastropods develop penile structure and vas deferens [23,24]. In rats, organ-
otins are associated with reduced sperm viability and motility, abnormalities of spermatids
and spermatozoa, testicular necrosis, changes in the blood–testicular barrier, and hormone
disbalance in males [24–26], as well as delayed follicular development, irregular estrous
cycles, alterations in steroidogenic enzymes, abnormal adipogenesis, decline in fertility,
failure of implantation, lower chances of conception, and other reproductive abnormalities
in females [27–29].

The available literature indicates that very few epidemiological or clinical studies
have been reported on the effects of organotins on human health despite the overwhelm-
ing evidence of the adverse effects on laboratory and marine species. Computational
methods have been increasingly used for the prediction of binding pose and molecular
interactions of ligands with their target protein molecules for the characterization of in-
teractions, designing novel inhibitors, and/or as an aid for designing experimental and
clinical studies [30–32]. The present study was performed to characterize the structural
binding interactions of seven commonly available OTCs, viz., TBT, DBT, MBT, TPT, DPT,
MPT, and ACT, against sex-steroid nuclear receptors, i.e., androgen receptor (AR) and
estrogen receptors (ERα, ERβ). AR and ER are soluble proteins and function as intracellular
transcription factors. Testosterone and dihydrotestosterone are the main steroid ligands
of AR. In addition to the development of male sexual organs, maturation of male sexual
organs and spermatogenesis, AR signaling plays a crucial role in a number of physiological
and developmental processes related to male physiology. ER regulates the transcription of
numerous genes, and its primary role is in the development of female phenotype, develop-
ment of female reproductive tract, regulation of folliculogenesis, uterine development, and
in other processes related to reproductive cycle. The suggested hypothesis is that OTCs
may interfere with the natural interaction between ligands and proteins by binding to sex
steroid nuclear receptors in the body, which might result in dysfunction of sex steroids
target organs.

2. Materials and Methods

2.1. Data Retrieval

The three-dimensional crystal structures of the human sex-steroid hormone receptors
were retrieved from the Protein Data Bank (PDB; https://www.rcsb.org, accessed on
4 December 2022) as AR (PDB ID: 2AM9), ERα (PDB ID: 5DXB), and ERβ (PDB ID: 5TOA).
The two-dimensional structures of OTCs (TBT, DBT, MBT, TPT, DPT, MPT, and ACT)
as illustrated (Figure 1) were retrieved from the PubChem database (https://pubchem.
ncbi.nlm.nih.gov, accessed on 4 December 2022). PyMOL graphic interface was used for
illustration and analysis of hormone receptors with their bound native ligands and binding
pocket studies [33].
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Figure 1. Two-dimensional structures of organotin compounds.

2.2. Molecular Docking

Molecular docking of the organotin compounds in the ligand binding sites of AR,
ERα, and ERβ was carried out using Dock v.6.5 [34]. The initial structure preparation
of the ligands and the receptors was performed using Chimera v.1.6.2 [35]. The native
bound ligands were used as clue for the binding site and the residues around 10 Å of the
native ligands were used as the binding site region for generating docking grid. Finally, the
molecular docking of the compounds was performed using the rigid ligand docking option
with default parameters and the docking poses and predicted results were generated, as
detailed previously [36].

2.3. Protein–Ligand Complex Analysis

Discovery Studio (https://www.3ds.com/products-services/biovia/, accessed on
4 December 2022) was exploited for binding pose analysis and the illustrations of two-
dimensional ligand-receptor interactions were prepared. The binding analysis of a two-
dimensional interpretation of interacting residues and interfaces with high-quality protein
and ligand contacts was generated in BIOVIA (https://www.3ds.com/products-services/
biovia/, accessed on 4 December 2022) [37]. The result was an instructive depiction
of the intermolecular interactions and their strengths, which included hydrogen bonds,
hydrophobic contacts, and atom accessibilities.

2.4. Binding Energy and Dissociation Constant

The dock score is the score obtained directly from the docking software Dock v. 6.9
used in this study and demonstrates how fit the ligand is in the binding site. In addition to
the dock score, the binding energy and dissociation constant terms were also evaluated for
the ligand–protein complexes using another software, X-Score v. 1.2.11 [38].

2.5. Binding-Pose Comparison Analyses

The binding poses of the organotin compounds were compared to that of the native
ligands in order to check if the docked organotin ligands were bound to the same ligand
binding sites of AR, ERα, and ERβ where the respective native ligand were bound. The
3D structure of AR, ERα, and ERβ proteins had bound ligands (native) whose binding
pocket ensured that the docking site chosen was unerring. Further, within the binding
site, the interacting residues common for the organotin compounds and the native ligand
were compared.
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2.6. Molecular Dynamics (MD) Simulation Analysis

MD simulation was carried out with the Schrodinger Desmond tool [39] to obtain
an insight into the binding stability of the docked complex of AR and TBT. Prior to MD
simulation, docked complex structures were minimized using the protein preparation
wizard of Schrodinger where the hydrogen bond network was optimized at pH 7.4, and
final restrained minimization was performed using the OPLS3e force field [39]. Further
minimized structures were incorporated within an orthorhombic box solvated with a TIP3P
water model using a system builder module, and then 0.15 M NaCl counter ions were added
to neutralize the system. All prepared systems were relaxed before the MD simulation by
a series of energy minimization and short MD simulations. Finally, the MD simulations
were subjected to a 100 ns time period for individual systems, and the coordinates were
saved at an interval of 50 ps at 300 K temperature with 1.0325 bar pressure. The simulation
event analysis module in Desmond was utilized further to analyze the simulation results.
The dynamic profile of the AR/TBT complex was assessed by root mean square deviation
(RMSD) from the 100 ns trajectory. Root mean square fluctuation, i.e., protein residue
fluctuation, of the AR/TBT complex was monitored. In addition, a radius of gyration (Rg)
calculation over MD simulation was performed, which is a major indication of structural
compactness. Finally, an estimation of the total change in solvent accessibility surface area
(SASA) of AR/TBT complex simulation was performed. The method has been detailed
previously [40,41].

3. Results

3.1. Molecular Docking Analyses

The crystal structures of sex steroid hormone receptors, AR, ERα, and ERβ, containing
the bound native ligands in the respective binding sites are presented in Figure 2. The
analysis of binding strength scores of the organotins, i.e., TBT, DBT, MBT, TPT, DPT, MPT,
and ACT in the present study with sex steroid receptors, AR, ERα, and ERβ and the
interaction analysis of the ligand–protein complexes showed that four of seven organotin
ligands bound well within the binding sites of the receptors (Table 1). The exception was
MBT, which showed a negative but low value of dock score for all the three receptors,
indicating a weak binding. Further analysis for other parameters for this organotin was
not performed. In addition, TPT showed a high positive value of dock score for all the
three receptors, indicating that it did bind to the receptors (a good binding is indicated
by a higher negative dock score) and, lastly, ACT somehow could not be docked even
after varying the default parameters. Therefore, MBT, TPT, and ACT were not considered
for molecular interactions and binding pose analysis with the three receptors. Only four
organotins, i.e., TBT, DBT, DPT, and MPT, were included in further analysis.

3.2. Molecular Docking of Organotin Compounds with AR

Intermolecular interactions of four organotin ligands, i.e., TBT, DBT, DPT, and MPT
in complex with AR were analyzed and identified. All docked ligands were found to
have similar binding poses to the native ligand, thus providing credence to the docking
accuracy. All the organotin ligands bound well within the binding site of AR. The values
for the dock score, binding energy, and dissociation constant were comparable among the
ligands and were lower but close to native ligand, testosterone, indicating tight binding
and similar binding strength to AR (Table 1). The two-dimensional interaction maps of
amino acid residues of AR interacting with four organotin ligands and native bound ligand,
testosterone, are illustrated in Figure 3.
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Figure 2. Surface representation of crystal structure of sex steroid hormone receptors containing
the bound native ligands in the respective binding sites. Panel (A): crystal structure of human
androgen receptor (AR) ligand binding domain in complex with testosterone; Panel (B): crystal
structure of human estrogen receptor α (ERα) ligand binding domain in complex with estradiol; and
Panel (C): crystal structure of human estrogen receptor β (ERβ) ligand binding domain in complex
with estradiol.

The amino-acid residue interactions in the docking poses of organotin ligands, TBT,
DBT, DPT, and MPT with AR are presented (Figure 3A–D). The docking pose analysis
revealed that TBT interacted with nine amino acid residues of AR, i.e., Leu-701, Leu-707,
Met-745, Val-746, Met-749, Phe-764, Met-780, Met-787, and Phe-876, and DBT interacted
with six amino-acid residues of AR, i.e., Val-746, Met-749, Phe-764, Met-780, Leu-873, and
Phe-876. In addition, DPT interacted with four amino acid residues of AR, i.e., Leu-704,
Leu-707, Met-742, and Met-745, whereas MPT interacted with one amino acid residue
(Leu-704) of AR. These residues were significantly important for the AR/organotin ligand
bonding interaction in the active sites. The true conformation of bound native ligand
testosterone in the binding site of AR is shown (Figure 2A), and the interacting amino acid
residues are illustrated (Figure 3E). For testosterone, 10 amino acid residues were interacting
with AR, i.e., Leu-704, Asn-705, Gln-711, Trp-741, Met-742, Met-745, Arg-752, Met-780,
Leu-873, and Thr-877. Four hydrogen bonds were formed by Asn-705, Gln-711, Arg-752,
and Thr-877, in addition to various other molecular interactions. When the interacting
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amino acid residues of AR for each of the four organotins were compared with those for
native ligand (testosterone), two of nine interacting residues (Met-745, Met-780) for TBT,
two of six interacting residues for DBT, three of four interacting residues for DPT, and the
single interacting residue for MPT, were common between indicated organotin ligands
and testosterone (Table 2). This suggested that the organotin ligands are bound in the
same ligand binding pocket as the native ligand. Thus, on a preliminary basis, organotins
have the potential to interfere with the binding of testosterone to AR and act as interfering
compounds for androgen signaling.

Table 1. The binding strength scores, i.e., dock score, binding energy (BE), and dissociation constant
(pKd) for organotin compounds with androgen receptor, estrogen receptor α, and estrogen receptor
β. The BE and pKd values were calculated using X-Score. Lower (more negative) BE or dock score
and higher pKd denote better docking. Monobutyltin showed a weak binding (low dock score), and
further analysis was not performed for its any other parameters. Triphenyltin did not bind to any of
the receptors (high positive dock score), and azocyclotin could not be docked even after varying the
default parameters.

Organotin
Compounds

Androgen Receptor Estrogen Receptor α Estrogen Receptor β

Dock
Score

BE
(Kcal/mol)

pKd
Dock
Score

BE
(Kcal/mol)

pKd
Dock
Score

BE
(Kcal/mol)

pKd

Tributyltin −30.18 −7.82 5.73 −31.26 −7.67 5.62 −30.80 −7.69 5.64

Dibutyltin −27.79 −6.81 4.99 −26.79 −6.72 4.93 −27.68 −6.78 4.97

Diphenyltin −28.40 −8.17 5.99 −27.64 −8.10 5.94 −22.76 −8.13 5.96

Monophenyltin −23.93 −7.60 5.57 −25.67 −7.63 5.59 −24.75 −7.66 5.61

Native ligand - −10.36 7.60 - −9.78 7.17 - −9.95 7.29

Monobutyltin −16.96
No analysis was

performed due to low
dock score

−16.94
No analysis was

performed due to low
dock score

−16.67
No analysis was

performed due to low
dock score

Triphenyltin 772.83 No binding to receptor
(dock score high positive) 122.80

No binding to receptor
(dock score high

positive)
176.40

No binding to receptor
(dock score high

positive)

Azocyclotin Could not be docked even after varying the default parameters.

3.3. Molecular Docking of Organotin Compounds with ERα

Intermolecular interactions of four organotin ligands, i.e., TBT, DBT, DPT, and MPT in
complex with ERα were analyzed and identified. All docked ligands were found to have
similar binding poses to the native ligand, thus providing credence to the docking accuracy.
All the organotin ligands bound well within the binding site of ERα. The values for the
dock score, binding energy, and dissociation constant were comparable among the ligands
and were lower but close to native ligand, estradiol, indicating tight binding and similar
binding strength to ERα (Table 1). The two-dimensional interaction maps of amino acid
residues of ERα interacting with four organotin ligands and native bound ligand, estradiol,
are illustrated in Figure 4.

The amino-acid residue interactions in the docking poses of organotin ligands, TBT,
DBT, DPT, and MPT with ERα are presented (Figure 4A–D). The docking pose analysis
revealed that TBT interacted with eight amino acid residues of ERα, i.e., Leu-349, Ala-350,
Trp-383, Phe-404, Met-421, Ile-424, His-524, and Leu-525, and DBT interacted with six
amino-acid residues of ERα, i.e., Met-343, Leu-349, Ala-350, Phe-404, Met-421, and His-524.
In addition, DPT interacted with seven amino acid residues of ERα, i.e., Met-343, Leu-346,
Ala-350, Leu-387, Leu-391, Phe-404, and Leu-525, whereas MPT interacted with five amino
acid residues of ERα, i.e., Ala-350, Leu-384, Leu-387, Leu-391, and Phe-404. These residues
were significantly important for the ERα/organotin ligand bonding interaction in the active
sites. The true conformation of the bound native ligand estradiol in the binding site of ERα
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is shown (Figure 2B), and the interacting amino acid residues are illustrated (Figure 4E). For
estradiol, 12 amino acid residues were interacting with ERα, i.e., Leu-346, Ala-350, Glu-353,
Leu-384, Leu-38&, Met-388, Leu-391, Arg-394, Phe-404, Ile-424, His-524, and Leu-525. Three
hydrogen bonds were formed by Arg-394, Gln-353, and His-524, in addition to various
other molecular interactions. When the interacting amino acid residues of ERα for each of
the four organotins were compared with those for bound native ligand (estradiol), five of
eight (62%) interacting residues for TBT, three of six (50%) interacting residues for DBT, six
of seven (86%) interacting residues for DPT, and the five of five (100%) interacting residue
for MPT, were common between indicated organotin ligands and estradiol (Table 3). This
suggested that the indicated four organotin ligands potentially bind in the same binding
pocket of ERα as the native ligand estradiol. Thus, these compounds may interfere with
the binding of estradiol to its receptor and cause dysfunction of estradiol signaling.

 
Figure 3. Two-dimensional interaction maps of amino acid residues of androgen receptor (AR)
interacting with four organotin ligands during molecular docking in the ligand-binding site of AR.
Amino acid residue interactions of the bound native ligand of AR (testosterone) are also shown.
Tributyltin (TBT, Panel A); dibutyltin (DBT, Panel B); diphenyltin (DPT; Panel C); monophenyltin
(MPT, Panel D); and testosterone (Panel E). Amino acid residues with alkyl or pi-alkyl bonds are
indicated in light pink color, an amino acid with pi-sulfur bond is indicated in yellow color, and an
amino acid with a metal acceptor bond is indicated in grey color. Interactions box: the depicted colors
for interaction legends apply to all five interaction maps in the figure.
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Table 2. Comparative list of amino acid residues of androgen receptor interacting with bound native
ligand (testosterone), tributyltin, dibutyltin, diphenyltin, and monophenyltin. Residues within a row
among native ligand and organotin ligands are overlapping interacting residues for the compounds.

Native (Testosterone) Tributyltin Dibutyltin Diphenyltin Monophenyltin

- Leu-701 - - -

Leu-704 - - Leu-704 Leu-704

Asn-705 - - - -

- Leu-707 - Leu-707 -

Gln-711 - - - -

Trp-741 - - - -

Met-742 - - Met-742 -

Met-745 Met-745 - Met-745 -

- Val-746 Val-746 - -

- Val-749 Met-749 - -

Arg-752 - - - -

- Phe-764 Phe-764 - -

Met-780 Met-780 Met-780 - -

Met-787

Leu-873 - Leu-873 - -

- Phe-876 Phe-876 - -

Thr-877 - - - -

3.4. Molecular Docking of Organotin Compounds with ERβ

Intermolecular interactions of four organotin ligands, i.e., TBT, DBT, DPT, and MPT in
complex with ERβ were analyzed and identified. All docked ligands were found to have
similar binding poses to the native ligand, thus providing credence to the docking accuracy.
All the organotin ligands bound well within the binding site of ERβ. The values for the
dock score, binding energy, and dissociation constant were comparable among the ligands
and were lower but close to native ligand, estradiol, indicating tight binding and similar
binding strength to ERβ (Table 1). The two-dimensional interaction maps of interacting
amino acid residues of ERβ with four organotin ligands and native bound ligand, estradiol,
are illustrated in Figure 5.

The amino-acid residue interactions in the docking poses of organotin ligands, TBT,
DBT, DPT, and MPT with ERβ are presented (Figure 5A–D). The docking pose analysis
revealed that TBT interacted with eight amino acid residues of ERβ, i.e., Met-295, Leu-298,
Leu-301, Leu-339, Leu-343, Phe-356, Ile-373, His-475, and Leu-476, and DBT interacted
with four amino-acid residues of ERβ, i.e., Leu-301, Leu-339, Phe-356, and His-475. In
addition, DPT interacted with eight amino acid residues of ERβ, i.e., Met-295, Leu-298,
Ala-302, Met-336, Leu-339, Leu-343, Phe-356, and Leu-476, whereas MPT interacted with
four amino acid residues of ERβ, i.e., Ala-302, Met-336, Leu-339, and Phe-356. These
residues were significantly important for the ERβ/organotin ligand bonding interactions in
the active sites. The true conformation of the bound native ligand estradiol in the binding
site of ERβ is shown (Figure 2C), and the interacting amino acid residues are illustrated
(Figure 5E). For estradiol, 11 amino acids were interacting with ERβ, i.e., Leu-298, Ala-302,
Glu-305, Met-336, Leu-339, Met-340, Phe-356, Ile-376, Gly-472, His-475, and Leu-476. Three
hydrogen bonds were formed by Gln-305, Gly-472, and His-475, in addition to various other
molecular interactions. When the interacting amino acid residues of ERβ for each of the four
organotins were compared with those for bound native ligand (estradiol), five of nine (56%)
interacting residues for TBT, three of four (75%) interacting residues for DBT, six of eight

145



Toxics 2023, 11, 25

(75%) interacting residues for DPT, and the four of four (100%) interacting residue for MPT,
were common between indicated organotin ligands and estradiol (Table 4). This suggested
that the indicated four organotin ligands potentially bind in the same binding pocket of
ERβ as the bound native ligand estradiol. Thus, these compounds may interfere with the
binding of estradiol to its receptor (ERβ) and cause dysfunction of estradiol signaling.

 
Figure 4. Two-dimensional interaction maps of amino acid residues of estrogen receptor (ERα)
interacting with four organotin ligands during molecular docking in the ligand-binding site of
ERα. Amino acid residue interactions of the bound native ligand of ERα (estradiol) are also shown.
Tributyltin (TBT, Panel A); dibutyltin (DBT, Panel B); diphenyltin (DPT; Panel C); monophenyltin
(MPT, Panel D); and estradiol (Panel E). Amino acid residues with alkyl or pi-alkyl bonds are indicated
in light pink color, an amino acid with pi-sulfur bond is indicated in yellow color, amino acids with
pi-pi T-shaped bond are indicated in dark pink color, and an amino acid with a metal acceptor bond
is indicated in grey color. Interactions box: the depicted colors for interaction legends apply to all
five interaction maps in the figure.
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Table 3. Comparative list of amino acid residues of estrogen receptor α interacting with bound native
ligand (estradiol), tributyltin, dibutyltin, diphenyltin, and monophenyltin. Residues within a row
among native ligand and organotin ligands are overlapping interacting residues for the compounds.

Native (Estradiol) Tributyltin Dibutyltin Diphenyltin Monophenyltin

- - Met-343 Met-343 -

Leu-346 - - Leu-346 -

- Leu-349 Leu-349 - -

Ala-350 Ala-350 Ala-350 Ala-350 Ala-350

Glu-353 - - - -

Leu-384 - - - Leu-384

- Trp-383 - - -

Leu-387 - - Leu-387 Leu-387

Met-388 - - - -

Leu-391 - - Leu-391 Leu-391

Arg-394 - - - -

Phe-404 Phe-404 Phe-404 Phe-404 Phe-404

- Met-421 Met-421 - -

Ile-424 Ile-424 - - -

His-524 His-524 His-524 - -

Leu-525 Leu-525 - Leu-525 -

3.5. Molecular Dynamics (MD) Simulation

In order to obtain an insight into protein–ligand complex stability, we performed an
all-atomic molecular dynamics simulation of a 100 ns time period for AR and TBT complex.
The dynamic profile of the complex was assessed by RMSD from the 100 ns trajectory. The
results of the RMSD plot indicated that the AR/TBT ligand complex showed a stable inter-
action throughout MD simulation, and the system achieved equilibrium during the early
period of MD simulation i.e., after 10 ns (Figure 6A). Both AR and TBT showed less devia-
tion throughout MD simulation, which was 2.6 ± 0.22 and 2.6 ± 0.62, respectively. RMSF,
i.e., protein residue fluctuation was also monitored during MD simulation (Figure 6B).
Similarly, a Rg calculation over MD simulation, which is a major indication of structural
compactness, was performed (Figure 6C). The Rg results showed that the AR/TBT complex
maintains its compactness throughout and does not fluctuate much, and the average Rg
was 19 ± 0.06 Å. Further, we estimated the total change in SASA of AR/TBT complex
simulation (Figure 6D). The results showed that the SASA profile did not change during
the whole simulation period indicating no huge structural deviation during MD simulation.
Thus, the results indicate good stability of the AR/TBT protein–ligand complex.

Table 4. Comparative list of amino acid residues of estrogen receptor β interacting with bound native
ligand (estradiol), tributyltin, dibutyltin, diphenyltin, and monophenyltin. Residues within a row
among native ligand and organotin ligands are overlapping interacting residues for the compounds.

Native
(Estradiol)

Tributyltin Dibutyltin Diphenyltin Monophenyltin

- Met-295 - Met-295 -

Leu-298 Leu-298 - Leu-298 -

- Leu-301 Leu-301 - -

Ala-302 - - Ala-302 Ala-302
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Table 4. Cont.

Native
(Estradiol)

Tributyltin Dibutyltin Diphenyltin Monophenyltin

Glu-305 - - - -

Met-336 - - Met-336 Met-336

Leu-339 Leu-339 Leu-339 Leu-339 Leu-339

Met-340 - - - -

- Leu-343 - Leu-343 -

Phe-356 Phe-356 Phe-356 Phe-356 Phe-356

- Ile-373 - - -

Ile-376 - - -

Gly-472 - - - -

His-475 His-475 His-475 - -

Leu-476 Leu-476 - Leu-476 -

 

Figure 5. Two-dimensional interaction maps of amino acid residues of estrogen receptor β (ERβ)
interacting with four organotin ligands during molecular docking in the ligand-binding site of
ERβ. Amino acid residue interactions of the bound native ligand of ERβ (estradiol) are also shown.
Tributyltin (TBT, Panel A); dibutyltin (DBT, Panel B); diphenyltin (DPT; Panel C); monophenyltin
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(MPT, Panel D); and estradiol (Panel E). Amino acid residues with alkyl or pi-alkyl bonds are
indicated in light pink color, an amino acid with pi-sulfur bond is indicated in yellow color, amino
acids with pi-pi T-shaped bonds are indicated in dark pink color, an amino acid with a metal acceptor
bond is indicated in grey color, and an amino acid with pi-sigma bond is indicated in purple color.
Interactions box: the depicted colors for interaction legends apply to all five interaction maps in
the figure.

 
Figure 6. Molecular dynamics simulation analysis of androgen receptor in complex with tributyltin.
Panel (A): root mean square deviation plot; Panel (B): root mean square fluctuation analysis; Panel (C):
radius of gyration; and Panel (D): solvent accessible surface area.

4. Discussion

The objective of this study was to characterize the structural binding interactions of
seven commonly available OTCs, viz., TBT, DBT, MBT, TPT, DPT, MPT, and ACT, against
sex-steroid nuclear receptors, i.e., AR, ERα, and ERβ. As already indicated, docking
analysis showed that four of seven organotin ligands, i.e., TBT, DBT, DPT, and MPT,
bound well within the binding sites of the three receptors. The remaining three organotin
ligands, MBT, TPT, and ACT, showed a weak binding or did not bind with the receptors
and, hence, further analysis of these ligands for molecular interactions and binding pose
analysis was not considered. The dock score, binding energy, and dissociation constants for
the four organotins with AR, ERα, and ERβ indicated good docking and binding within
the ligand binding sites of the receptors. Similar binding poses of the organotin ligands
and the respective bound native ligands along with close similarity in binding energies
indicated good binding and thus provided credence to the docking accuracy. In addition,
high overlapping/commonality of interacting residues of each receptor for the docked
ligands and respective native ligands provided further support for good docking. This was
especially true for the interacting residues of ERα, and ERβ for the organotin ligands and
native ligands as ERα, and ERβ showed better structural binding characteristics compared
to AR. The good docking and stability of docking complex was further supported by the
results of MD simulation of a representative organotin/receptor complex (TBT/AR), with
a RMSD plot showing a stable interaction of TBT with AR with low deviation of ligand
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within good acceptable range. In addition, RMSF and Rg plots showed maintenance of
compactness of the complex along with no change in the SASA profile during the whole
simulation period. Thus, the MD simulation also provided support and indicated good
stability of the receptor–ligand complex. Taken together, all the above results suggested
that the organotin ligands are bound tightly in the same ligand binding pockets of AR, ERα,
and ERβ as their respective bound native ligands, testosterone and estradiol, especially
for the ERα, and ERβ. Thus, the suggested hypothesis that OTCs may interfere with
the natural interaction between sex steroids and their receptors by binding to sex steroid
nuclear receptors was supported. Hence, the indicated organotins have the potential to
interfere with the binding of testosterone and estradiol17β to their respective receptors and
result in dysfunction of steroid receptor signaling.

Previous reports on the in silico studies of organotins with sex steroid nuclear receptors
are not available to the best of our knowledge. However, organotins, TBT and TPT, were
shown to have competitive binding antagonistic activity against human ER in vitro [42].
The inhibitory effect on ER similar to other ER antagonists, such as 4-hydroxytamoxifen,
was shown on ER-dependent reporter gene transcriptional activation by TBT and TPT at
very low concentrations by interactions between human ERβ LBD and the co-activator
SRC1 in a yeast two-hybrid detection system. In addition, TBT and TPT stimulated LA16
cells (that stably expressed androgen-responsive luciferase reporter gene and proliferates
in response to androgen) and enhanced both AR-dependent transcription of luciferase
gene and cell growth similar to dihydrotestosterone [43]. Simultaneous treatment of LA16
cells with dihydrotestosterone and TBT or TPT caused synergistic effects on AR activa-
tion, but an androgen antagonist, flutamide, did not inhibit the TBT- or TPT-induced AR
activation, suggesting a novel mechanism other than the ligand-binding site of AR. TBT
and TPT were also shown to interact with other nuclear receptors, e.g., as nanomolar
agonists of retinoid X receptor (RXR) and peroxisome proliferator-activated receptor γ

(PPARγ). In this regard, TBT and TPT exposure to a RXR-transfected human choriocar-
cinoma cell line (JEG-3 cells) stimulated luciferase expression, indicating activation of
RXR [44]. In vivo and in vitro studies on organotins in marine invertebrates, fish, mam-
mals, and laboratory animals have shown the profound endocrine disruption effects of
organotins on reproductive and other functions. Development of imposex in mollusks
even with exposure to very low TBT concentrations is the most sensitive and well known
reproductive phenotypic effect of endocrine disruption [6]. The endocrine disruption
by organotins in various species is believed to occur through three main mechanisms,
i.e., (1) increased testosterone—organotins cause an androgen abundance by inhibiting
the aromatase in females [45], (2) the APGWamide neuropeptide activation—organotins
induce abnormally high levels of peptide APGWamide, which cause the development
of male-like tissues subsequently producing androgens to promote the male-like sexual
growth, and (3) the RXR agonism/activation—organotins cause abnormal activation of the
RXR signaling pathway through ligand binding or by increasing the retinoid [23]. RXRs
in association with other nuclear receptors, such as PPAR, etc., regulate cellular develop-
ment and differentiation, metabolism, and cell death. In addition, recently inactivation
of UDP-glucuronosyltransferases (UGTs) was also proposed to be another mechanism by
which organotins can cause abnormal reproductive health effects; UGTs regulate metabolic
inactivation of many endogenous hormones [46]. Inhibition of UGTs, including UGT2B15
(regulates catalysis of dihydrotestosterone glucuronidation) and UGT1A1 (regulates cataly-
sis of estradiol-3-O-glucuronidation) by organotins such as TBT and TPT, may interfere with
glucuronidation of endogenous sex hormones and thus inhibit their termination, resulting
in abnormal endocrine actions [46]. The endocrine disruption mechanism of organotins in
humans is not clear but has been postulated to most likely involve increased testosterone [4].
In addition, the potential for TBT and other organotins to act as obesogens in humans and
to interfere with endocrine regulation of adipogenesis such as stimulation of preadipocyte
differentiation into adipocytes in a PPARγ-dependent manner is also very concerning.
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Very limited epidemiological studies have been reported on the association of organ-
otin exposure and human reproductive problems. Several reports have mentioned general
toxic effects associated with acute human organotin exposure, such as seizures, visual
disturbances, paraparesis, forgetfulness, fatigue, weakness, loss of motivation, depression,
and attacks of rage; some symptoms persist for at least three years [2,47,48]. Information
associated with long term exposure is not reported. In other studies, severe toxicity of
TPT showed neurotoxic symptoms, such as cerebellar syndrome, hearing impairment,
and loss of consciousness with paroxysmal activity on electroencephalography [49]. In
general population, significant levels of the organotins TBT and TPT have been detected
in the blood of human male and female volunteers [50]. In another study, triorganotins,
such as TBT and TPT, were detected in 37% and 99% of the placental tissues of women in
Denmark and Finland, respectively, and a positive correlation between organotin (DBTCl)
levels in the human placenta and incidence of cryptorchidism was reported in newborns in
Denmark [21]. In addition, in the same study, the blood LH levels in four-month-old boys
were negatively correlated, whereas the inhibin B levels were positively correlated with
TBTCl in the placenta of women from Finland.

Several studies have reported adverse effects of organotins in male reproductive func-
tion in laboratory species [4,27]. In this regard, rat testes were reported to accumulate tin
after three days of TBT exposure, resulting in reproductive abnormalities [25]. TBT induced
weight gain and improved the food efficiency of male rats [51]. In another study [52], TPT
resulted in decreased sperm count and motility in a dose-dependent manner, an impaired
sperm histone–protamine replacement process, and significantly increased incidence of
sperm deformities, as well as impaired proliferation of spermatogonia in adult male rats. In
a recent study, TBT exposure decreased the number of Leydig cells and inhibited androgen
production in rats [53]. In male mice, TBT exposure early after birth was associated with
reduction in the weight of testis, epididymis, prostate, and seminal vesicles [54,55]. In
zebra fish, TBT exposure during early development induced male bias and reduced or
completely inhibited sperm motility, caused the absence of flagella, and resulted in only
abnormal spermatozoa in semen in the exposed male offspring [56]. Similarly, exposure of
ACT to adult male and female zebra fish altered the gene expression related to reproductive
function, such as for LH in pituitary and for aromatase in gonads, along with reductions
in estrogen in both sexes [57]. In addition, ACT exposure was associated with impaired
spermatogenesis in males.

In addition to in vivo studies, in vitro studies have shown that TPT exerted inhibitory
effects on the activity of human blood steroidogenic enzymes, i.e., 5-alpha-reductase type 2,
cytochrome P450 aromatase, 17-beta-HSD type 3, 3-beta-HSD type 2, and 17-beta-HSD
type 1 through the interaction with critical cysteine residues [50]. TBT, DBT and TPT
salts were shown to inhibit human 5-alpha-reductase type 1 and 5-alpha-reductase type 2
enzymes, which are required for activation of androgens [58]. In vitro acute or short-term
exposure of bovine sperm to TBT was associated with decrease in total motility, progressive
motility, curvilinear velocity, and beat-cross frequency, along with a lower mitochondrial
membrane potential [26]. In addition, TBT-exposed sperm resulted in a reduced cleavage
rate and a lower rate of 8-16 cell morula development compared to embryos from unex-
posed sperms. DBT decreased the production of androgens from rat immature Leydig
cells both under basal and LH stimulated conditions [59]. In another study [53], TBT
exposure of immature rat Leydig cells in vitro reduced androgen production, cell viability,
and cell cycle progression, while increasing reactive oxygen species (ROS) and apoptosis.
Similarly, exposure of rat Leydig cells and Sertoli cells to TPT induced a significant decrease
in the expression of steroidogenic and apoptotic indicators; similar exposure did not affect
spermatogonia cells [52].

In female animals, organotin exposure was associated with toxicity of female repro-
ductive system [3,27]. The most well known effect of many organotins, such as TBT and
TPT, is the development of imposex in female gastropods, which refers to the development
of male sexual organs in females, such as the penis and vas deferens [60–62]. In many

151



Toxics 2023, 11, 25

laboratory mammalian animal models, TBT exposure was associated with reproductive,
metabolic, and cardiovascular abnormalities, including hyperandrogenism, cystic ovarian
follicles, irregular estrous cycle, elevated levels of LH, obesity, abnormal lipid profiles,
glucose metabolism, and insulin resistance similar to those found in polycystic ovarian
syndrome (PCOS) in women and animal models of PCOS [22,63–65]. In this regard, TBT
exposure in female rats induced body weight gain and adiposity [66]. Exposure to TBT
disrupts the proper functioning of the HPG axis of the female rats, probably in part through
causing abnormal KISS and GnRH action, which regulate the reproductive axis of the
hypothalamus and pituitary [64]. In this regard, TBT exposure in female rats caused ir-
regular estrous cycles, downregulated hypothalamic GnRH mRNA expression, decreased
exogenous KISS response, decreased basal and surge levels of LH, reduced exogenous
GnRH responsiveness, decreased pituitary expression of both ERα and Erβ, increased
testosterone, ovarian and uterine fibrosis, and decreased fertility. In mice and rats, TBT
disrupts ovarian reserve, development of germ cells, folliculogenesis, steroidogenesis,
ovulation, and CL formation [67]. In addition, in utero TBT exposure was associated
with abnormal number and morphology of gonocytes with lipid droplets accumulating
in the endoplasmic reticulum in the female rat offspring. In this regard, the placenta has
been shown to accumulates the organotins, as exposure to TBT resulted in rat placental
TBT levels that were five times higher than those found in maternal blood and ten times
higher than those found in milk [68]. In other studies, TBT caused irregular estrous cycles,
disturbed ovarian development, including increased presence of atretic and cystic folli-
cles, fewer CLs, antral follicles and increased levels of atretic follicles, hyperandrogenism,
high levels of serum LH, and decreased levels of serum sex hormone-binding globulin, in
addition to an increase in the RXR/PPAR signaling pathway and other proteins that are
involved in androgen biosynthesis [65,69]. Exposure to ACT in adult female zebra fish was
associated with alterations in the reproductive related gene expression, reduced estrogen,
and increased testosterone in females [57]. Increased accumulation of ACT in F1 eggs and
embryonic abnormalities were also found after parental exposure.

In vitro studies have also demonstrated effects of organotin on female hypothalamic-
gonadal-axis and ovarian cells similar to in vivo effects. TBT exposure of ovarian theca
cells from five species (human, sheep, cow, pig, and mouse) affected cholesterol trafficking,
luteinization, and steroidogenesis in all five species [70]. The effect was, in part, through
modulation of RXR, as shown by RXR antagonist and RXRα knockdown. In human
granulosa-like tumor cell line KGN, TBT exposure reduced the mRNA expression of
aromatase and its activity by 30% compared to control cells [71]. In addition, exposure
to higher TBT concentrations resulted in KGN cell death within 24 h, whereas lower TBT
concentration promoted apoptosis. Exposure of TBT in bovine cumulus–oocyte complex
cultures reduced estrogen and testosterone levels along with expression of aromatase and
3-beta-HSD mRNA [72]. In addition, TBT exposure inhibited LH stimulated estrogen
synthesis in follicular granulosa cells. TBT and DBT acted as partial competitive inhibitors
of aromatase enzyme in human placenta and showed inhibition of human 3-beta HSD type
I activity [73].

Taken together, the results of our in silico structural interactions of organotin ligands
with sex steroid receptors support the previously reported adverse effects, as discussed
above, for in vivo and in vitro studies in human and laboratory animals. The morpho-
physiological, hormonal, and molecular impairments discussed support our suggested
hypothesis of perturbation of natural interaction between native ligands and sex steroid
nuclear receptors leading to impaired reproductive function.

5. Conclusions

In the present study, molecular docking simulations of seven OTCs, viz., TBT, DBT,
MBT, TPT, DPT, MPT, and ACT, against sex-steroid nuclear receptors, i.e., AR, ERα, and Erβ,
were performed. The docking results showed that TBT, DBT, DPT, and MPT bound well
within the binding sites of the three receptors. The remaining three organotin ligands, MBT,
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TPT, and ACT, did not bind with the receptors. All the indicated four organotin compounds
interacted with each of the sex steroid receptors and bound deep into their ligand-binding
sites, showing good dock score, binding energy, and dissociation constants that were
comparable to the bound native ligands, testosterone, and estradiol. The good docking
and stability of docking complex was also shown by MD simulation of organotin/receptor
complex, with RMSD, RMSF, Rg, and SASA plots showing stable interaction, low deviation,
and compactness of the organotin/receptor complex during the whole simulation period.
In addition, high commonality of interacting residues of each receptor for the docked
ligands and respective bound native ligands, especially for ERα and Erβ, which indicated
that the organotin compounds bound tightly in the same ligand binding site of the receptor
as the bound native ligand. To conclude, the study suggested that the indicated organotin
compounds may interfere with the natural interaction between sex steroids and their
receptors and cause dysfunction of steroid receptor signaling.
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Abstract: The Atrato river basin is one of the world’s most biodiverse areas; however, it is highly
impacted by mercury gold mining, which generates air, water, and soil pollution. (1) Background:
The concentrations of persistent heavy metal pollutants, mercury (Hg), lead (Pb), cadmium (Cd),
and arsenic (As) in the fish, fruits, and vegetables most consumed by the riverside inhabitants of
the middle basin of the Atrato river represent a danger to public health; (2) Methods: A total of
154 samples of different fruits and vegetables and 440 samples of fish were analyzed by atomic
absorption spectroscopy. A sample of 446 people were surveyed to evaluate food consumption and
carcinogenic and non-carcinogenic risk; (4) Conclusions: High concentrations of As, Hg, Pb, and Cd
were identified in fish, fruits-tubers, and vegetables-stems commonly consumed by inhabitants of the
middle basin of the Atrato River, which exceeded the Codex limits and the limits established by the
WHO/FAO, especially for carnivorous fish species. A high carcinogenic and non-carcinogenic risk
was evidenced amongst inhabitants of the middle basin of the Atrato River due to the consumption of
fish contaminated with high concentrations of As, MeHg, and THg. The risk due to the consumption
of vegetables was very low.

Keywords: vegetables; fruits; fish; tubers; MeHg; As

1. Introduction

The contamination of soil, air and water by heavy metals is a global concern due to
its ability to affect different biological systems. Heavy metal contamination can result in
bioaccumulation and biomagnification in the food chain affecting human health. Metal
contamination in aquatic and terrestrial ecosystems is a serious environmental problem.
Elements such as lead (Pb), arsenic (As), cadmium (Cd), mercury (Hg) and the organic
form of the latter, methylmercury (MeHg), are toxic, even at low concentrations, and
have a high capacity for bioaccumulation. The US Agency for Toxic Substances and
Disease Registry (ATSDR) ranks these metals high on its 2017 Priority List of Hazardous
Substances [1]. Contamination by these heavy metals can have various origins. How-
ever, this type of contamination is generally associated with anthropogenic activities,
including gold mining, specifically the extraction of the precious metal by amalgamation
with Hg. This activity generates significant levels of Hg contamination in soil and water;
reports indicate that this type of activity produces emissions equivalent to about 880 tons
of Hg per year [2–4]. A worrying aspect of these activities is that they generate heavy
metals, such as Cd, Pb, and As, which are associated with gold minerals. These can be
dispersed through erosion and chemical weathering of tailings from gold mining [5].
Some 200 tons of Hg are used in gold mining activities in Colombia, which generate
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emissions that range between 30 and 70 tons of Hg [6,7]. In the Chocó department,
gold mining has been an important socioeconomic pillar in many communities for
many years; it represents the base of the economy in many places within the depart-
ment; however, these activities have generated environmental impacts on important
water sources, such as the Atrato River [8]. Significant amounts of Hg are used in gold
mining—approximately 150 tons—in this way a large amount of mining waste enters
the Atrato river basin or its tributaries, contaminating the water and sediments [7,9]. In
the sediments of the river basin, Hg is transformed into MeHg by the action of bacteria.
This organic form of Hg is quite toxic—it can cross membranes and bioaccumulate in
freshwater fish species in toxic concentrations [10,11]. The incorporation of heavy metals
and MeHg into the food chain is one of the biggest concerns of these activities due to
the inevitable transfer to human beings, with food intake as the main route of exposure.
According to WHO reports, approximately 500,000 people perish annually across the
world due to the consumption of contaminated food, 80,000 of which are associated with
Colombia [12]. For this reason, the international standards that regulate the limits of
tolerance or acceptance of the levels of heavy metals in food are important, with the
objective of protecting human health in each region [13].

There have been several reports on different continents related to the risk assess-
ments or quantification of heavy metals in plant and/or animal material arising from
contamination as a direct result of the intervention of mining [14–17]. In Colombia, some in-
vestigations have reported high concentrations of these metals in fish commonly consumed
in various communities; in addition, assessments of risk associated with the consumption
of fish contaminated by heavy metals have been undertaken [18,19]. In the Colombian
Pacific, Hg, Cd, Pb, and MeHg in fish from the Atrato river basin have been reported in high
concentrations, particularly in fish with carnivorous habits [8,9,20,21]. In addition, Salazar-
Camacho et al. [8] carried out a risk assessment of the consumption of fish in relation to
levels of Hg, Cd, Pb, and MeHg in the riverside population of the Atrato River basin. It is
important to note that most of the food consumed by families in the municipalities of the
riverside areas of the Atrato River basin comes from crops and fishing in the territory itself.
For this reason, the consumption of contaminated fish, fruits and vegetables is considered
the main source of human exposure to heavy metals [22]. Therefore, the objectives of this
study were: (1) to determine the concentrations of Hg, Cd, Pb and MeHg in fish, fruits and
vegetables; (2) to determine the target hazard quotient (THQ) and total THQ to assess the
carcinogenic and non-carcinogenic risk of metals from fish consumption; and (3) to evaluate
the risk to human health due to the consumption of fish and vegetables (fruits-tubers and
vegetables-stems) contaminated with heavy metals in residents of riverside municipalities
of the middle basin of the Atrato River.

2. Materials and Methods

2.1. Study Area

This research was carried out in the Atrato river basin, a biodiverse lotic ecosystem
located in the Colombian Pacific (Figure 1). It is made up of large bodies of water, forests,
wetland swamps, grasslands, vast expanses of land used for agriculture, and many rural
communities [23]. The basin has a depth of 31–38 m, an area of 35,700–36,400 km2, a length
of 750 km, and a width that varies between 150 and 500 m. It arises in the municipality
of El Carmen de Atrato, specifically in the Cerro Plateado, and empties into the Gulf of
Urabá, in the Caribbean Sea. The basin has a flow of approximately 4137 m3/s, an annual
precipitation between 5000- and 12,000- mm year−1, and an average annual temperature
of 26 ◦C [23,24]. It receives the flow of water from many rivers along its course, some of
which have high levels of mining waste contaminated with Hg, Cd, Pb, and As. Among
the most important of these are the Quito, Bebaramá, Bebará, Neguá, and Cabí [25,26].
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Figure 1. Map of the four municipalities studied belonging to the middle basin of the Atrato River
(Chocó-Colombia): Medio Atrato, Bojaya, Vigía del Fuerte, and Murindó.

Our study was conducted in four areas of the tropical geographic basin of the Atrato
River. The areas were the Medio Atrato, Bojaya, Murindó and Vigía del Fuerte, which
were selected because they are important sites of gold mining [25,27]. The study was
carried out on highly consumed fish, fruits and vegetables in the study areas. The fish
samples were captured in the Atrato River within the study areas. Fruits and vegetables
(fruits-tubers and vegetables-stems) are cultivated by the inhabitants of the communities
for self-consumption and commercialization. These plants are cultivated in many cases in
soils contaminated with heavy metals or, often, are treated with irrigation systems with
water from the Atrato River.
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2.2. Sampling

Fish: The capture of ichthyological material involved guides from each sampling point
using artisanal fishing equipment, such as fishing nets, cast nets, and fishing rods. In total
440 individuals of 19 fish species were collected. The carnivorous species (330 individuals)
were Argeneiosus pardalis, Pimelodella chagresi, Rhamdia quelen, Trachelyopterus fisheri, Pimelo-
dus punctatus, Andinoacara pulche, Leporinus muyscorum, Caquetaia kraussii, Caquetaia kraussii,
Caquetaia kraussii, Caquetaia kraussii, Caquetaia kraussii, and Pimelodus punctatus, Leporinus
muyscorum, Caquetaia kraussii, Ctenolucius beani, Pseudopimelodus schultzi, Sternopygus aequil-
abiatus, Hoplias malabaricus, Astyanax fasciatus, Caquetaia umbrifera, Cynopotamus atratoensis,
Geophagus Pellegrini, and Pimelodus sp. The non-carnivorous (110 individuals) were Prochilo-
dus magdalenae and Hypostomus hondae. The fish samples were placed in polyethylene
bags which had been previously labeled, placed in a polystyrene cooler to conserve the
specimens, and transported to the Toxicology and Environmental Management laboratory
of the University of Córdoba (Colombia). Subsequently, the total length of each fish was
measured and, through an incision in the dorsal muscle, ten grams of tissue were extracted
in one portion and again kept cold (4 ◦C) until the concentrations of the metals under study
and the percentages of methylmercury (MeHg) were determined.

The fish species were identified using specialized taxonomic keys [28] with the help of
the ichthyology team of the Technological University of Chocó (Colombia) and field guides.

Plants: The collection of vegetable material was carried out with the help of field guides
at each sampling point. A total of 154 individual samples were collected and classified
into two groups, fruits (12 species) and stems (one species). The fruit species were Alibertia
patinoi, Cocos nucifera, Citrus aurantifolia, Solanum sessilliflorum Dunal, Zea mays, Carica
papaya, Musa balbisiana, Musa × paradisiac, Oryza sativa, Musa sapientum, Musa sp., Dioscorea
trifida; tubers (2): Colocasia esculenta, Manihot esculenta; vegetables (9): Eryngium foetidum,
Ocimum basilicum L., Ocimum tenuiflorum, Allium fistulosum L., Ocimum campechianum, Basella
rubra var, Zingiber officinale, Origanum vulgare, Minthostachys mollis. The stem species was
Saccharum officinalis. The collections were georeferenced in situ, deposited in polyethylene
bags and transported to the laboratory of Toxicology and Environmental Management of
the University of Córdoba (Colombia). There, maceration was carried out followed by cold
storage until the concentrations of the metals under study were determined.

The species were identified using specialized taxonomic keys [29] with the support of
the biosystematics team of the Universidad Tecnológica del Chocó, the Chocó herbarium,
the Universidad de Córdoba, and field description notebooks.

2.3. Analysis of THg, MeHg, As, Pb, and Cd in Fish Muscle, Fruits, and Vegetables

Quantities of 0.02 g of freeze-dried fish and plant material samples were analyzed
for Hg concentration levels by atomic absorption spectrometry using a direct mercury
analyzer (DMA-80 TRICELL, Milestone Inc, Italy) using the established EPA Method 7473.
(EPA, 1998). For Cd and Pb analysis, Method 3051 A [30] and the procedure described
by Karadede and ÜnlÜ [31] were used, respectively. The samples were digested with
HNO3/HCl (1:3 v/v) and Cd and Pb analyses were performed using a Thermo Elemental
Solaar S4-graphite furnace method. Analysis was carried out by calcining a mixture of 1 g
of each fish and plant material sample with Mg (NO3) 2 at 550 ◦C in a muffle furnace, then
1 mL of concentrated HNO3 was added and heated to dryness, subsequently dissolved with
4.5 N HCl, filtered through a 0.45 μm filter, then topped up to 25 mL with distilled water
(Szkoda et al., 2006). A Thermo Scientific iCETM 3500 AAS atomic absorption spectrometer,
coupled to a VP100 continuous flow steam generator (Waltham, MA, USA), was used for
As analysis (HGAAS; standard Methods SM 31114, 2017). Certified μreference materials
(CRM) IAEA 407 and DORM-4 and triplicate evaluation were used for quality control of
the methods used. The recovery percentage was between 92 and 96% and the detection
limits for the different metals were 0.014 μg g−1 for Hg, 0.006 μg g−1 for Cd, 0.010 μg g−1

for Pb, and 0.016 μg g−1 for As. MeHg analysis was only performed on the fish samples; for
MeHg quantification, approximately 0.2–0.3 g of fresh fish were digested with hydrobromic
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acid and toluene. The resulting mixture was centrifuged and extracted several times with
L-cysteine. Finally, a 100 μL aliquot of the aqueous phase was injected into DMA [32].
Quality control of the method was performed in triplicate using a CRM DORM-2 standard
of dogfish muscle certificate (4.47 ± 0.32 μg g−1). The percent recovery for MeHg was 99%.
The limit of detection was 0.007 μg g−1, while the limit of quantification was 0.023 μg g−1.

2.4. Estimated Daily Intake (EDI)

A risk assessment of the estimated daily intake of fish, fruit, and vegetables in the
municipalities of the middle Atrato basin was calculated using factors such as food con-
sumption (μg kg−1 (bw) week−1), the concentration of the metal, and the body weight
(bw), necessary for the determination of the estimated daily intake (EDI). The average
body weight in adults living in the middle basin of the Atrato river was 69.2 ± 3.3 kg
(Table S1). On average, the inhabitants of the middle basin of the Atrato river consume
256 g/day of fish [8]. The average consumption of fruits and vegetables was established
individually for each food; measurements were made by weighing the food portions from
the information provided in the surveys (Table S1). The results obtained from the analysis
of the concentrations of Hg, As, Cd, Pb, and MeHg in μg/kg of wet weight, and from
the surveys, made it possible to calculate the necessary parameters to evaluate the risk of
human exposure to these contaminants by the consumption of fish, fruits, and vegetables.
For this calculation, the equation described by Chien et al. [33] was used.

EDI =
C × Cconc

BW
(1)

2.5. Determination of the Target Hazard Quotient (THQ)

The non-carcinogenic risk was calculated using the THQ formula (HQ/RfDo). When
the THQ is less than one, it indicates that the hazard quotient (HQ) is below the reference
dose (RfDo) and, therefore, that daily exposure at this level is unlikely to cause adverse
effects over a person’s lifetime. The THQ is a calculation using the assumptions of the
US EPA Integrated Risk Analysis (USEPA, 2000). The THQ was determined using the
following equation [34]:

THQ =
EFr × EDtot × FIR
RfDo × Bw × ATn

× C − 10−3 (2)

where EDtot is the exposure duration (30 years), EFr is the exposure frequency (350 days/year),
FIR is the food ingestion rate (g/day), 10−3 is the unit conversion factor (kg/g); C is the element
concentration in fish (μg/g ww), RfDo is the oral reference dose (mg/kg-day), Bw is the
average adult body weight according to surveys in each municipality and ATn is the average
exposure time for non-carcinogens (365 days/year × number of exposure years, assuming
30 years). The total THQ (TTHQ) was expressed as the sum of the THQ values for each
studied element [34]:

Total TQH (TTHQ) = TQH(Toxican 1) + TQH(Toxican 2) + TQH(Toxican 3) + . . . (3)

2.6. Carcinogenic Risk Assessment (CR)

The contaminants associated with carcinogenic risk are As and Pb. The CR is defined
as the lifetime chance of an individual developing any type of cancer due to exposure to
carcinogenic hazards [35,36]. These carcinogenic health risks are calculated individually
for each element throughout its lifetime according to the following equation [37,38]:

CDDingestion =
C × FIRing × ED × EF

Bw × AT × SF
(4)

CR = CDDingestion × SF (5)
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where CDDingestion is the chronic daily dose (mg/kg/day) established for potentially
toxic heavy metals received by ingestion; C is the heavy metal content in fish and
vegetables (μg/g); FIRingestion is the ingestion rate: 256 mg/day in fish [8], in vegetables
the quantity varies (Table S1)—these amounts are for adult women and men who lived
in the middle zone of the Atrato river basin; ED is the exposure duration, six years
for children and 30 years for adults [35]; EF is the exposure frequency—in this study,
365 days/year; SF is the slope factor (kg/mg/Day)—SF is 1.5 for As and 0.0085 for
Pb [38]; Bw is the mean body weight for each municipality; AT is the mean time for
carcinogens (As and Pb) 70 × 365 days [38]; and CR is the carcinogenic risk—when the
CR value is less than 1 × 10−6, the risk is regarded as negligible, and if the CR value
exceeds 1 × 10−4, there is likely to be a risk to human health [37].

2.7. Assessment of Human Health Risk Related to MeHg

The risk assessment was carried out with a total of 769 voluntary respondents sur-
veyed. Data was collected on educational level, average body weight, gender, frequency
of fish consumption per week, number of times each participant ate fish per day in a
week, and the type of fish. A total of 323 respondents were male and 446 were female.
All respondents were aged ≥ 15 years. The respondent sample was divided into two
groups: the first group, comprising children and women of childbearing age (WCHA)
and the second group comprising the rest of the adult population (GP) (Table S1). The
potential risk of human exposure to MeHg was assessed according to the estimated
weekly intake (EWI-μg/bw/week) using the equation described by UNEP [39]:

EWI =
IR × C

Bw
(6)

where IR is the weekly intake (g/week) of fish, C is the median concentration of MeHg
(μg/kg) in fish, and Bw is the bodyweight of the person (kg). The IRs were calculated
taking into account the consumed portion of fish (g/day) and the frequency of consumption
(days/week) in the four municipalities of the Atrato river basin.

The concentration of MeHg that the consumed fish species should contain to avoid
exceeding the provisional tolerable weekly intake (PTWI) [34] was calculated using the
following equation:

[MeHg]permissible =
C × PTWI

EDI
(7)

where PTWI is the reference value of 1.6 μg/kg bw/week for women of childbearing age
and children, 3.2 μg/kg bw/week is the reference value for the adult population [34] and
C is the median concentration of MeHg (μg/kg) in fish. The amount of fish consumption
is crucial in risk assessment as it plays a key role in the generation of adverse effects
on human health. For this reason, we estimated the maximum quantity of fish that a
person could consume weekly (MFW) without adverse health effects, according to the
following equation:

MFW =
PTWI × IR

EWI
(8)

Finally, to calculate the degree of Hg contamination in the most consumed fish species,
we used the formula proposed by Zhang et al. [40]:

Pi =
Ci
Si

(9)

where Ci and Si are the median concentration of the metal in the fish muscle and the value
of the evaluation criteria, respectively, and Pi is the pollution index. Two reference limits
were used: a threshold of 200 μg/kg ww [41] for vulnerable populations, such as children
under 15 years of age and women of childbearing age, and a threshold of 500 μg/kg
ww [42] for the adult population.
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2.8. Data Analysis

Kolmogorov–Smirnov (n ≥ 50) and Shapiro–Wilk (n < 50) tests were used to assess
whether data did or did not follow a normal distribution. The Kruskal–Wallis test was
employed to evaluate the differences among Hg, As, Pb, and Cd concentrations between
fish species. Spearman’s test was performed to evaluate the correlation between the
concentrations of the elements and the trophic level of the fish. A p-value of 0.05 was
chosen to indicate statistical significance. THg, MeHg, As, Pb, and Cd concentrations were
expressed as μg/kg ww of fish, fruits and vegetables. The statistical analyzes were carried
out using the R Project statistical program version 3.6.1 (R Core Team, Vienna, Austria).

3. Results

3.1. Concentrations of Hg, Cd, Pb, As, and MeHg in Fish, Fruits, and Vegetables

The concentrations of Hg, Pb, Cd and As (μg kg−1), the percentages of MeHg
(%MeHg), the fish species consumed by the inhabitants and the trophic level of the fish
species collected in the middle basin of the Atrato river are shown in Supplementary Mate-
rials Table S2. Based on the taxonomic identification, 19 species of fish were obtained, with
a total of 440 individuals. Of these species, five were carnivorous (59 individuals), two were
detritivorous (110 individuals), six were omnivorous species with a tendency to carnivory
(120 individuals), one was omnivorous (14 individuals), one was an omnivorous species
with a preference for fish and plant material (26 individuals), and one was a piscivorous
species (111 individuals). The most common species were Prochilodus magdalenae (15.9%),
Hoplias malabaricus (11.1%), Rhamdia quelen (10.0%), Hypostomus hondae (8.9%), and Astyanax
fasciatus (8.6%). The concentrations of Hg were highest, followed by those of As, Pb, and
Cd. (Table S2).

For the fish samples evaluated, the minimum values of Hg were found between
two municipalities in Vigía del Fuerte, for Leporinus muyscorum with 44.5 ± 22.7 μg kg−1

and in Murindó for species Hypostomus hondae (41.5 ± 32.5 μg kg−1) and Andinoacara
pulcher (32.9 ± 4.3 μg kg−1). Samples from the municipality of Vigía del Fuerte con-
tained the highest concentration of As in Ctenolucius beani with 1008.0 ± 552.7 μg kg−1

(Table S2). Of the total fish samples for Hg and MeHg, 221 individuals (piscivores 111,
omnivores with a tendency to carnivory 74, and carnivores 36) exceeded the limit for popu-
lations at risk, which was established at 200 μg kg −1 [41]. Among these, 102 individuals
(53 piscivores, 26 omnivores with a tendency to carnivory, and 25 carnivores) exceeded the
maximum recommended limit for human consumption established in 500 μg kg−1 [42].
The species C. beani and Ageneiosus pardalis exceeded the maximum permissible limits for
THg 500 μg kg −1. Some species also exceeded the maximum permissible limits: A. pardalis
(Murindó and Vigía del Fuerte), Trachelyopterus fisheri (Murindó and Vigía del Fuerte),
H. malabaricus (Murindó), Cynopotamus atratoensis (Vigía del Fuerte), C. beani (Murindó and
Bojayá), Sternopygus aequilabiatus (Murindó and Vigía del Fuerte), Caquetaia kraussii and
R. quelen (Murindó). Five species exceeded the threshold for MeHg 500 μg kg−1; these were:
A. pardalis (Murindó and Vigía del Fuerte), T. fisheri (Murindó and Vigía del Fuerte), C. beani
(Murindó and Bojayá), C. atratoensis (Vigía del Fuerte) and S. aequilabiatus (Vigía del Fuerte).
C. kraussii and H. malabaricus were close to reaching this threshold, with concentrations of
473.05 and 485.71 μg kg−1, respectively (Figure 2a). The species P. magdalenae was the most
consumed in the middle basin of the Atrato river; its concentrations of THg and MeHg did
not exceed the established thresholds of 200 μg kg−1 and 500 μg kg−1.

None of the mean concentrations for the 19 species of fish reported in this study
were higher than the maximum permissible levels of Cd, Pb, and As in the mus-
cle of the fish, which were established at 300, 100, and 1000, μg kg−1, respectively
(Figure 2c–e) [43,44]. For As, two species Geophagus Pellegrini and H. hondae presented
concentrations > 100 μg kg−1 < 300 μg kg−1 (Figure 2c).

The four metals studied were quantified in vegetables for two groups: fruits and
vegetables; the species of vegetables with a total of 24 species were subdivided into 15 fruits
and 9 vegetables. A total of 154 individual specimens are listed in Supplementary Materials,
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Table S3. Hg presented the lowest concentration in the species Citrus aurantifolia for
the municipalities of Murindó, Bojayá, and Vigía del Fuerte, with O. vulgare being the
species with the highest mean concentration value (Figure 3a). The minimum values for As
concentrations were in the species Musa paradisiaca and Alibertia patinoi (3.18–6.61 mg kg−1).
The maximum mean concentrations of As were found in Murindó (60.84 ± 107.8 mg kg−1)
and Bojayá (57.1 ± 99.6 mgkg−1). The species with the highest concentrations for As were
Minthostachys mollis and Ocimum campechianum. The concentrations for As observed in
the food samples indicated that three species contained high concentrations and exceeded
the permissible WHO limit of 100 mg kg−1 [41]; these were Origanum vulgare, A. patinoi,
and O. campechianum (Figure 3b). Pb showed the lowest average concentration levels by
municipality in Murindó (4.3 ± 0.0 mg kg−1) and Bojayá (4.7 ± 1.5 mg kg−1). For Cd,
none of the observed concentrations were at a level above that recommended by the WHO
(100 mg kg−1) (Figure 3c). However, the mean concentrations of Hg, Pb, Cd, and As
in fruits and vegetables in each municipality exceeded the maximum permissible levels
of concentrations established by the Codex for Hg: 0.1 mg kg−1, Pb: 0.1 mg kg−1, Cd:
0.05 mg kg−1 and As: 0.1 mg kg−1 [45] and by the EU for Hg: 0.1 mg kg−1, Pb: 0.2 mg kg−1,
Cd: 0.05 mg kg−1 and As: 0.2 mg kg−1 [46] (Table S3).

3.2. Species of Fish, Fruits, and Vegetables Most Consumed in the Middle Basin of the Atrato River

The data obtained for the average consumption of fish, fruits, and vegetables amongst
inhabitants of the municipalities of Medio Atrato, Bojayá, Vigía del Fuerte, and Murindó,
belonging to the middle basin of the Atrato river, indicated that, of the 19 species of fish
captured, nine were associated with a high preference for consumption amongst riverside
inhabitants of this middle area of the basin (Table S2). Among these, two species of non-
carnivorous habits stood out: P. magdalenae and H. hondae. The results showed six species
with high rates of population intake, including P. magdalenae, L. muyscorum, P. schultzi,
A. pardalis, H. Malabaricus and R. quelen with 4.3, 4.3, 4.2, 3.5, 3.6 and 3.7 days/week
reported mean consumption, respectively.

A total of 24 plant species were analyzed in the different municipalities studied,
seven of which were associated with a high rate of preference for population consumption.
Among the fruits, five stood out: M. balbisiana, M. sapientum, C. aurantifolia, M. paradisiaca
and O. sativa; for vegetables, the data showed that only two species were associated with a
high frequency of preference for population consumption: E. foetidum and O. campechianum
(Figure 3).

3.3. Determination of Human Health Risk by Fish and Vegetables Consumption

The general characteristics of the population of the middle basin of the Atrato River
are described in Supplementary Materials Table S1. A total of 57.9% (n = 446) of the
respondents were women and 42.1% (n = 323) were men, with a mean age between 39 and
46 years (range: 15.2–88.8) and average weight between 68 and 72 kg.

The evaluation of the risk to health due to food consumption is important when
considering the amounts consumed in the population under study. The average amount of
fish consumed by inhabitants of the middle basin of the Atrato River was 256 g/day [8],
with an average frequency of consumption of 3.4 days/week. The total weight of fish
consumed was greater than 30 kg year−1.

For fruits and vegetables, the amount consumed varied according to the food. The
average frequency of consumption of fish, fruits, and vegetables for inhabitants of the
middle basin of the Atrato river was 3.4 days/week.

The risk arising from the consumption of fish, fruits, and vegetables was calculated us-
ing the EDI, THQ, TTHQ, and CR metal contamination indices to estimate the accumulation
and risk levels of metals for the most consumed species (Tables 1 and 2).
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3.4. Determination of Health Risk from the Consumption of Fish, Fruits, and Vegetables

To assess the risks to human health based on frequent exposure of an individual through
consumption of different species of vegetables and fish that accumulate different levels of
contamination, the estimated daily intake (EDI) for each metal was determined. For the
vegetables studied, the EDI values were 0.0135 μg/kg/day (range: 7.882 × 10−5–0.068) for
Hg, for As 0.0595 g/kg/day (range: 0.001–0.755), for Pb 0.0235 g/kg/day (range: 5.401–0.232)
and for Cd 0.009 g/kg/day (range: 1.322× 10−5–0.860). The species Musa paradisiaca presented
the lowest EDI values for Hg, Pb, Cd, and Pb for Medio Atrato. Only the species Alibertia
patinoi (Medio Atrato) and Ocimum campechianum (Bojayá) exceeded the RfDo value limit for
As (As 0.30 g/kg/day) (Table 1).

 
(a) 

(b) 

Figure 2. Cont.
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(c) 

 
(d) 

 
(e) 

Figure 2. Concentrations of Hg (a), MeHg (b), As (c), Pb (d), and Cd (e) (μg kg−1 ww) in fish samples
from the middle basin of the Atrato River. Consumption limits proposed by WHO [47,48] for these
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contaminants are as follows: for Hg and MeHg, threshold value of 500 ugkg−1 of body weight for the adult
population; threshold value of 200 ugkg−1 of body weight for vulnerable populations (children, the elderly,
and women of childbearing age). For As, Pb and Cd, 1000, 300 and 100 μg kg−1, respectively [49,50].
Feeding habits: c-carnivore, p-piscivore, o-omnivore, d-detritivore, oc-omnivore/carnivore and opv-
omnivore/piscivore. Scattered concentrations (◦), mean concentrations (+).

For fish, the mean EDI values were 1.374 μg/kg/day (range: 0.122–3.556) for Hg, for
As 0.119 g/kg/day (range: 0.016–0.672), for Pb 0.067 μg/kg/day (range: 0.015–0.067) and,
for Cd, standard values of 0.003 g/kg/day were shown for all municipalities (Table 1). The
species Ctenolucius beani presented the highest EDI values for Hg in the municipalities of
Murindó (3.612 μg/kg/day), Bojayá (3.556 μg/kg/day), Medio Atrato (1.370 μg/kg/day)
and Vigía del Fuerte. (1.655 μg/kg/day), followed by Hoplias malabaricus in Murindó
(2.589 μg/kg/day), Bojayá (1.579 μg/kg/day), Medio Atrato (1.719 μg/kg/day), Vigía del
Fuerte (1.694 μg/kg/day) and Trachelyopterus fisheri in Vigía del Fuerte (3.028 μg/kg/day),
Murindó (2.673 μg/kg/day) and Medio Atrato (1.513 μg/kg/day). All the other species
reported in this study presented values above what is recommended. However, species such
as Andinoacara pulcher in Murindó and Vigía del Fuerte, Leporinus muyscorum in Murindó,
Hypostomus hondae in Vigía del Fuerte, presented RfDo values below that established for Hg
(0.16 μg/kg/day). In the case of As, the EDI values were above the established threshold (As
0.30 μg/kg/day) in species such as H. hondae (Murindó), and Geophagus Pellegrini (Vigía del
Fuerte). In general, the EDI values for Pb remained below the limits; however, the species L.
muyscorum in Murindó presented values above the RfDo limits (0.390 μg/kg/day) (Table 2).

 
(a) 

 
(b) 

Figure 3. Cont.
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(c) 

(d) 

Figure 3. Concentrations of Hg (a), As (b), Pb (c), and Cd (d) in fruits and vegetables commonly
consumed in municipalities of the middle basin of the Atrato River. Consumption limits proposed by
the WHO: threshold value of 100 mg kg−1 of body weight for the adult population and for vulnerable
populations (children, the elderly and women of childbearing age) for the heavy metals studied.

3.5. Assessment of Non-carcinogenic Health Risk

To establish the carcinogenic risk in the population exposed to the consumption of
fish, fruit-bulbs, and vegetables-stems, the target hazard quotients (TQH and TTQH) were
calculated. When the THQ value is less than one, it means that the exposure level is less
than the RfDo, indicating that daily exposure at this level is unlikely to cause adverse
effects during a person’s lifetime [33,47]. For the present evaluation, the mean TQH values
of fish were 3.700 for Hg (range: 0.643–21.668), for Cd 0.023 (range: 0.022–0.023), for As
0.228 (range: 0.053–1.398) and for Pb 0.012 (range: 0.004–0.140).

The THQ value for fish consumption for the metals Cd and Pb was less than one
for all fish species in all the municipalities studied. Most of the fish species presented a
TQH for Hg higher than one; the highest values were reported in A. pardalis (21.688) in
Vigía del Fuerte, C. beani (21.649 and 21.313) in Murindó and Bojayá, and H. malabaricus
(10.30) in Medio Atrato. However, species such as Andinoacara pulcher and L. muyscuorum,
in the municipalities of Murindó and Vigía del Fuerte, and H. hondae in Murindó presented
TQH values for Hg lower than one. For As, the TQH index was higher than one for
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H. hondae and T. fisheri in Medio Atrato; for Cd and Pb all THQ values were less than one.
The relative contributions to the total THQ score showed that Hg was the main contributor
to risk. The average THQ for Hg far exceeded one (6.768). In general, the species with
the highest values of EDI, THQ, and TTHQ for Hg were those of carnivorous, piscivorous
and omnivorous habits with a tendency to carnivory including H. malabaricus, A. pardalis,
R. quelen, T. fisheri, S. aequilabiatus, C. kraussii, C. atratoensis, C. beani and P. schultzi (Table 1).

For fruit and vegetables, the mean TQH values were 0.074 (range: 0.001–0.412) for Hg,
for Cd 0.054 (range: 7.924 × 10−5–1.322), for As 0.017 (range: 0.001–0.207) and for Pb 0.006
(range: 1.479 × 10−5–0.063). The TQH values for vegetable consumption, based on the
mean concentrations of Hg, Pb, and As for all vegetable species, were generally less than
one in the four municipalities studied, except in species such as Manihot esculenta (1.322) in
Murindó and Colocasia esculenta (2.405) in Bojayá. The relative contributions to total THQ
showed that Cd was the main element contributing to the risk for vegetables (Table 1).

3.6. Assessment of Carcinogenic Health Risk

The calculation of the carcinogenic risk was applied only to the metals As and Pb due
to their carcinogenic effect on humans. It was applied to the species of fish and vegetables
commonly consumed by the inhabitants of the middle basin of the Atrato River. To do
this, the USEPA has recommended using the carcinogenic risk index (CR). If the CR values
are less than 1.0 × 10−6, they are considered negligible, while a CR value greater than
1.0 × 10−4 indicates potential adverse effects in humans [37,38]. The data obtained for
vegetables contaminated with As and Pb in the groups of fruit-bulbs and vegetables-stems
collected in the municipalities of Medio Atrato, Bojayá, Vigía del Fuerte, and Murindó
showed values lower than 1.0 × 10−6 (Table 1). Therefore, our results indicate that there was
no carcinogenic risk to the health of the population from the consumption of these foods.

However, with respect to the carcinogenicity values of the metals Pb and As, the
results showed, for all the species captured in the middle basin of the Atrato River, values
lower than 1.0 × 10−6 for Pb. However, the results of the evaluation of the carcino-
genic health risk of As through fish consumption showed that the CR values for the fish
species H. malabaricus, T. fisheri, P. schultzi, C. beani, Caquetaia umbrifera, Sternopygus ae-
quilabiatus, A. fasciatus, L. muyscorum, Prochilodus magdalenae, H. hondae in Medio Atrato;
A. pardalis, Geophagus pellegrini, Caquetaia kraussii, Rhamdia quelen, L. muyscorum, P. mag-
dalenae, H. hondae in Vigía del Fuerte; and A. pardalis, H. malabaricus, C. beani, R. quelen,
L. muyscorum, P. magdalenae, H. hondae in Murindó were above the 1.0 × 10−6 limit, but
below the 1.0 × 10−4 limit (Table 1). The results of this study indicate that there is a signifi-
cant carcinogenic risk for the health of the inhabitants of the middle basin of the Atrtao
River, mainly due to As, through the consumption of fish.

In general, the results of EDI, THQ, TTHQ, and CR show that the inhabitants of the
middle basin of the Atrato River could present health problems during their lives, due to
the consumption of fish, depending on the type of fish they consume.
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3.7. Risk Assessment by MeHg in Most Consumed Fish

The mean concentrations of MeHg (μg kg−1) and the percentage of MeHg (%MeHg)
in the fish species consumed by the inhabitants of the middle basin of the Atrato River are
presented in Supplementary Materials, Table S2. Of the total fish species studied, 221 indi-
viduals exceeded the limit for populations at risk, which was established at 200 μg kg−1 of
MeHg [41]. Among these 102 individuals exceeded the maximum recommended limit for
human consumption, established at 500 μg kg−1 of MeHg (Table S2). All the municipalities
studied, except Medio Atrato, reported concentrations that exceeded the permissible limits
of 500 μg kg−1. The species with the highest concentrations were: in Murindó, C. beani,
A. pardalis, T. fisheri, H. malabaricus, S. aequilabiatus, R. quelen, C. kraussii; in Bojaya, C. beani,
A. pardalis, T. fisheri, C. atratoensis; and in Vigía del Fuerte, P. schultzi. Other species, such as
P. schultzi (Murindó and Medio Atrato), C. kraussii (Vigia del Fuerte), H. malabaricus (Bojayá,
Medio Atrato, and Vigía del Fuerte), T. fisheri, A. fasciatus, G. Pellegrini (Medio Atrato), and
C. beani (Medio Atrato and Vigía del Fuerte) exceeded the limit for vulnerable populations
(WCHA) of 200 μg kg−1. In general, the carnivorous species with the highest concentrations
of MeHg was A. pardalis with 956.82 μg kg−1 in the municipality of Vigía del Fuerte, which
represents an important species in the food security of the population under study. However,
for the species P. magdalenae, the highest consumption for which was reported in the middle
basin of the Atrato river, the concentrations of MeHg did not exceed any of the thresholds
established by the WHO (200 μg kg−1 and 500 μg kg−1) (Table S2).

When the daily intake rate (RI) was estimated for the fish species commonly con-
sumed in the studied sites, six species presented values higher than 500 g/week and lower
than 700 g/week (which is of particular relevance when assessing vulnerable popula-
tions, e.g., children and women of childbearing age), including C. atratoensis (Vigía del
Fuerte), S. aequilabiatus, C. umbrifera (Medio Atrato), T. fisheri (Medio Atrato and Murindó),
P. punctatus (Murindó) and C. beani (Murindó and Bojayá). In the municipality of Murindó,
the species R. quelen, L. muyscorum and P. schultzi, presented the highest levels of IR, with
consumption levels of 1254.4 g/week, 1433.6 g/week and 1587.2 g/week, respectively
(Table S4). Regarding the frequency of consumption (FIR), for the species P. magdalenae
weekly consumption of four or more times was reported in all the municipalities studied;
however, the municipality of Murindó presented the highest FIR values for P. schultzi
(6.2 days/week), L. muyscorum (5.6 days/week), and R. quelen (4.9 days/week). Values
close to this limit were observed in R. quelen (2.7 days/week) and T. fisheri (2.7 days/week),
both in the municipality of Vigía del Fuerte (Table S4). In relation to the estimated weekly
intake (EWI), the results showed that 10 fish species exceeded the potential weekly in-
take threshold (PTWI) for the GP group (3.2 μg kg bw/week). For the WCHA group
(1.6 μg kg bw/week), it was also shown that the species with piscivorous, carnivorous
and omnivorous habits with a carnivorous tendency, had the highest EWI values. These
species were A. pardalis (Vigía del Fuerte and Murindó), C. beani (Medio Atrato, Bojayá,
and Murindó) and R. quelen (Murindó) with values of 4.7, 2.8 and 2.7 times the PTWI for
the GP group and 9.1, 5.4 and 5.3 times the PTWI for the WCHA group, respectively. The
results showed that fish consumption limits higher than those recommended (MFW) were
obtained in all the municipalities studied. In Medio Atrato, the species presented values
between 0.3 to 1.6 and 0.5 to 3.3 times the PTWI for the GP and WCHA group, respectively;
in Bojayá, between 0.6 to 2.1 and 1.2 to 4.4 times, respectively; in Vigía del Fuerte between
0.1 to 9.1 and 0.2 to 9.1 times, respectively; and in the municipality of Murindó between
0.1 to 3.0 and 0.2 to 6.0 times, respectively. The lowest values recorded for Hypostomus
hondae (Vigía del Fuerte) were about 10.3- and 5.5-fold lower than the PTWI for the GP
and WCHA, respectively. High consumption species, such as A. pardalis, H. malabaricus,
C. beani and P. schultzi represent a serious risk to the health of the inhabitants in the studied
areas due to the high concentrations of MeHg in their tissues, such that it is recommended
for riverside populations to reduce or eliminate the consumption of these fish. Similarly,
species of high consumption preference, such as P. magdalenae, presented values 2.7 times

173



Int. J. Environ. Res. Public Health 2023, 20, 435

below the recommended consumption in Medio Atrato, 2.6 times below in Vigía del Fuerte,
1.7 times below in Bojayá, and 1.5 below times in Murindó, and for L. muyscorum, 5.4 times
below in the municipality of Medio Atrato. These results suggest that these species can be
consumed frequently by the inhabitants of the studied areas as their content does not exceed
recommended MFW consumption limits. In addition, these species could be important for
replacement of species that present high concentrations in the diet.

3.8. Diagnosis of the Population

The contamination index (Pi) [40] was used to show the degree of contamination with
Hg for each species of fish in each municipality, taking as a reference the permissible limits
established by the WHO (500 μg kg −1 and 200 μg kg −1) [47,48]. Table S5 shows that,
when the Pi values were calculated according to the WHO limit [42], the fish species A.
pardalis in the municipalities of Murindó and Vigía del Fuerte, T. fisheri in Vigía del Fuerte
and Murindó, C. beani in Bojayá, and C. atratoensis in Vigía del Fuerte presented slight
contamination (1< Pi ≤ 2) (Table S5). The contamination index was also calculated based
on the WHO threshold [47] (2008) indicating that P. schultzi in Murindó, H. malabaricus in
Bojayá and Vigía del Fuerte, C. beani and T. fisheri in Medio Atrato, and C. kraussii and G.
Pellegrini in Vigía del Fuerte showed a slight degree of contamination (1< Pi ≤ 2) (Table S5).
The species Sternopygus aequilabiatus (Murindó), A. pardalis (Murindó), R. quelen (Murindó
and Vigía del Fuerte), C. kraussii (Medio Atrato), Hoplias malabaricus (Murindó and Medio
Atrato), P. schultzi (Medio Atrato and Vigia del Fuerte) and C. beani and R. quelen (Vigia
del Fuerte) showed a moderate degree of contamination (2 < Pi < 3). Similarly, T. fisheri
in Murindó and Vigia del Fuerte, C. beani in Murindó and Bojayá, and S. aequilabiatus,
C. atratoensis and A. pardalis in Vigia del Fuerte, presented a high degree of contamination
(Table S5).

4. Discussion

The middle basin of the Atrato river of the Colombian Pacific is within an area where
the Murindó, Bebará, Bebaramá, and Neguá rivers flow—these tributaries are associated
with high levels of gold-mining activity. This area has suffered significant impacts on the
rivers and surrounding soils due to indiscriminate gold mining, resulting in contamination
with significant concentrations of heavy metals of the fish in the area which are important
for food security. This contamination has also affected the crops that play an important
role in the food security of the inhabitants of this area. However, there are no records of
metal concentrations in this type of food, nor of any risk assessments. Based on ruling
T-622 and the Minamata agreement, it is important to assess the risk to human health from
the consumption of food contaminated with these heavy metals by the inhabitants of the
middle basin of the Atrato River.

In this study, the concentrations of metals in fruits-tubers and vegetable-stems followed
the order As > Pb > Hg > Cd. In Medio Atrato, fruits-tubers, in general, presented low
levels of metals, except for As in the species Alibertia patinoi (203.16) and Zea mays (38.16).
Vegetable-stems showed higher levels of As, especially Ocimum campechianum (110.41),
Eryngium foetidum (76.12), and Origanum vulgare (146.72); in Bojaya, Vigia del Fuerte, and
Murindó, the metal concentrations were found to be the same. It is important to highlight
that the concentrations of As in vegetables in all the municipalities studied were between
3.18–391.75 mg/kg, which is well above the maximum standards established internationally
for vegetables (0.5 mg/kg) [45,46]. These results are similar to those observed in studies
carried out on Daucus carota, Cynara scolymus, and Petroselinum crispum in the city of Sibaté
(Colombia) [48].

The concentrations of As in these foods could be derived from the original soil material
or the application of fertilizers and pesticides still used in agricultural activities [49–51]. In
addition, studies have reported that there are differences in the concentrations in vegetables.
Leafy vegetables are a group of plants recognized for having a high capacity for heavy metal
accumulation [51,52], with plant species having different capacities for the absorption and
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accumulation of metal(oids), associated with factors such as the different characteristics of
the soil or the growth period of each plant [53,54]. It is evident that these plants have good
translocation characteristics for As, either derived from mining waste sources from soil
removal in gold extraction activities or from natural sources in the Earth’s crust [51]. The
concentrations of Hg in vegetables-stems were at higher levels compared to fruit-tubers;
this accumulation behavior by this type of plant species has been reported in research
carried out in China [52]. However, the concentrations of Hg reported in the municipality
of Lloró for vegetables were found to be lower than those in fruits and tubers [51]. These
concentrations could be related to low translocation factors and common mining processes
in the studied areas, with atmospheric deposition of Hg not having a significant influence
on crops due to high precipitation in these areas, causing Hg to be deposited on the
ground [51,55]. Pb concentrations in fruits and vegetables from the middle Atrato basin did
not exceed WHO permissible consumption limits [41,42]. These results are in agreement
with studies carried out on fruits and vegetables from the African countries of South Africa
and Mozambique [14].

Pb levels were higher in the vegetables-stems, consistent with the findings of investiga-
tions carried out on vegetables in Baiyin, China [56]. The municipalities of Vigía del Fuerte
and Medio Atrato reported higher concentration levels in vegetables-stems above those
allowed by the Codex [45,46], especially for E. foetidum (cilantro), O. campechianum (basil),
O. vulgare (oregano), B. rubra var (spinach), M. mollis (pennyroyal) and O. basilicum L. (white
basil) with concentrations between 4.33–66.71 mg/kg. These Pb concentrations in vegeta-
bles, in general, showed values above the maximum standards established internationally
by the Codex for vegetables (0.1 mg/kg) in all the studied municipalities [45,46]. The
concentration levels observed in our study were very high compared to those carried out in
Arequipa (Peru) in quinoa, corn and rice products, with high Pb concentrations observed of
0.55, 0.75 and 5.08 mg kg−1, respectively [57]. They are consistent with Pb concentrations
reported in cabbage (23.1 ± 1.5), lettuce (17.2 ± 2.7), and tomato (15.0 ± 1.1) from the city
of Arba Minch (Ethiopia) [58] and concentrations of between 0.84 and 12.5 for vegetables
of dietary importance in the city of Sibaté (Colombia) [48]. In the case of fruit-tubers, such
as C. esculenta (28.34 ± 0.9), Pb levels in Medio Atrato were high, contrary to the results
reported for concentrations in this tuber grown in the Canary Islands (Spain) [59].The
above is possibly related to the growth of these species in contaminated soils as a result of
soil removal for mining activities and the use of irrigation water contaminated with metals,
something which is very common in the studied areas of the Atrato environment [60].
Another reason could be the high density of stomata in the leaves of these plants, which
allows for the accumulation of atmospheric Pb [61]. Pb can be adsorbed and fixed in the
clay material of soils. It is characterized by being a highly mobile metal, with mobility
increasing with pH, particularly in acid conditions, such as those found in the soils of
the Middle Atrato, which could favor its adsorption and accumulation [62]. In addition,
the results show that these plants have the potential and capacity to bioaccumulate and
translocate concentrations of Pb, as well as the other metals evaluated in this study. The
levels of Cd in the fruits-bulbs of the municipalities of Murindó and Bojayá were high
compared to the other two municipalities, particularly for C. esculenta, which is frequently
consumed by the inhabitants, which presented concentrations of 1.06–50.92 mg/kg, exceed-
ing the Codex limit [45,46]. However, the levels of Pb reported in C. esculenta cultivated
in the Canary Islands (Spain) showed levels below the Codex limits [59]. These plants are
characterized by being tubers; the bulbs grow underground and are in direct contact with
the contaminated soil present in the study area and, as a result, can accumulate significant
concentrations of Cd. There are reports of the large capacity for accumulation of heavy
metals from this type of plant because its parts grow under the earth’s surface comprising
large tubers for consumption [63,64]. In general, Cd, like other metals, can be absorbed
by the pores of the stomata of the leaves. However, unlike other toxic metals, such as
Pb, it has high mobility in the soil, is easily absorbed by the roots, and transported to the
shoots, and is uniformly distributed in the plants [64]. Its high degree of bioaccumulation
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is due more to soil contamination than to atmospheric deposition [65]. In our research, the
concentrations of Cd did not exceed the permissible limits of consumption specified by the
WHO [41,42], in contrast to the findings of Genthe et al. [14] for fruits and vegetables from
African countries. In addition, the bioaccumulation ranges observed were above those
reported by Real et al. [66], in which the established range was 0.003–1.616 for O. sativa.
On the other hand, the data from our research showed concentrations higher than those
reported for Solanum lycopersicum [58], Daucus carota, Cynara escolymus and Petroselinum
crispum [48], M. paradisiaca and C. aurantifolia [67], Apium graveolens, Lepidium sativum and
Porrum de Alliuml [68], and Z. mays and O. sativa [57]. Subsistence agriculture for the inhabi-
tants of the Atrato river basin has developed on the ground and the river is the main source
of water irrigation for crops. However, the high impact of gold mining in the Atrato river
basin and its tributaries has generated high levels of contamination, which has contributed
to the contamination of crops with Hg, Cd, Pb, and As. Therefore, these anthropogenic
activities constitute an imminent risk to human health in the riverside populations of the
basin. The estimated daily intake rates (EDI) of fruits-tubers and vegetables-stems for all
the inhabitants of the middle basin of the Atrato river are shown in Table 1, as well as data
for the average body weight by population group, the intake by food category, and the
reference doses (RfDs) for Hg, Cd, As, and Pb [47]. In general, the EDI values for none of
the vegetable groups exceeded the oral RfD for metals in the studied areas, except for the
Alibertia patinoi fruit in Medio Atrato for As. Therefore, exposure to Hg, Cd, As, and Pb
through the consumption of fruits-tubers and vegetables-stems does not represent a threat
to the health of the inhabitants of the municipalities of the middle basin of the Atrato River
since the calculated EDI values do not exceed the reference dose tolerable intake values
(RfD: 0.16 μg Hg/kg/day, 1.0 μg Cd/kg/day, 0.3 μg As/kg/day, 3.5 μg Pb/kg/day) [47].
Our results are in contrast to results obtained for fruits and tubers in the municipality of
Lloró (Chocó-Colombia) by Marrugo-Madrid et al. [51], where the exposure of As through
the consumption of fruits could represent a threat to the health of all population groups
studied since the calculated EDI values exceed the tolerable consumption reference dose by
10 times.

The non-carcinogenic health risk was also evaluated based on THQ. With a THQ < 1,
the exposed population should not experience any adverse risk, but if THQ > 1, the
population could experience health risks not related to cancer. Table 1 shows that most
of the THQ values did not exceed one, except for Colocasia esculenta (HQ = 2.405) in the
municipality of Bojayá for As. These results indicate that, in general, people would not
experience significant health risks from the ingestion of individual meta(loids) through
vegetable consumption. Carcinogenic risk (CR) evaluation was also carried out for As
and Pb using the same method. For this investigation values greater than 1.0 × 10−4

were taken as indicators of risk for vegetables [37]. In our study, none of the plant species
evaluated presented a carcinogenic risk for As and Pb. These results were in contrast to
those of similar investigations of vegetables showing carcinogenic risk associated with
Pb and As concentrations in Bangladesh and Ireland [66,69], and observations from Peru,
where some species, such as O. sativa, exposed to As showed evidence of possible risk to
the population [57]. Similarly, in the municipality of Lloró (Colombia), the fruits and tubers
showed a possible carcinogenic risk by exposure to As. However, in all the municipalities,
the studied vegetables presented levels above the Codex. Therefore, considering the
accumulative properties of heavy metals, these may represent a health hazard for the
riverside populations of the middle basin of the Atrato River.

The results showed that the concentrations in fish followed the order Hg > As > Pb > Cd,
with high concentration levels of Hg, MeHg, and As observed. C. beani presented the highest
concentrations of Hg (1008.0 ± 552.7 g kg−1) in the municipality of Bojayá. However, the
municipality of Vigía del Fuerte had a greater number of species with high concentrations,
including C. kraussii, R. quelen, C. beani, H. malabaricus, P. schultzi, C. atratoensis, S. aequilabiatus,
T. fisheri, and A. pardalis. These areas are characterized by extensive mining activities on the
Murrí River and other tributaries [21]. In the Atrato river basin, other studies reported similar
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data for A. pardalis, H. malabaricus, and C. beani; the observed concentrations were related to
extractive mining of the Atrato river and its tributaries [9,21]. The high concentrations of
THg found were consistent with observations by Vargas-Licona and Marrugo-Negrete [70]
who warned about the toxicological risk due to mining in some ecosystems in Colombia. The
concentrations of MeHg in fish from the middle basin of the Atrato, especially those with a
carnivorous habit, exceeded the permissible safe consumption limits by 500 μg kg−1 [42].
These results were similar to the findings of Salazar-Camacho et al. [21] in this area of the
basin. The concentrations of THg and MeHg in fish reported in this investigation were
similar to those reported in other investigations in the Atrato river basin [8,9,21]. These
results are also consistent with other investigations, where species of carnivorous habit c-p
and oc, such as H. malabaricus, C. kraussii, and A. pardalis, presented greater bioaccumulation
of THg and MeHg [71].

The mean concentrations of Pb and Cd in fish were 12.03 ± 24.4 and 1.1 ± 2.2 g kg−1,
respectively. These concentrations were higher than those for investigations of fish from the
Buriganga River (Bangladesh), specifically, the species Heteropneustes fossilis, Channa striata,
Labeo rohita, and Catla catla [66]; however, other studies have reported lower concentrations
in fish from the Ciénaga Grande de Santa Marta (Colombia) [18].

Concentrations of the metals Pb and Cd for the fish species in the middle basin
exceeded the limits established by the Codex [45,46]; however, they did not exceed the
permissible intake limits defined by the WHO [41,42]. In general, the concentrations of
As in fish for the basin were above what is allowed [45,46]. The municipalities of Medio
Atrato and Vigia del Fuerte recorded the highest levels of average concentrations in the
basin (134.2 ± 61.0 and 187.2 ± 164.8 ug kg−1). The species P. magdalenae and Leporinus
muyscorum, which are of gastronomic importance, did not exceed the permissible intake
limits defined by the WHO [41,42], which is a reflection of the preferred feeding habit of the
species in the ecosystem. The EDI of fish for all the inhabitants of the middle basin of the
Atrato river are shown in Table 2, as well as the intake by food category, and the RfDs for
Hg, Cd, As, and Pb [38]. In general, the EDI values for Hg and As for the vegetable groups
exceeded the oral RfD for metals in the studied areas, especially for Hg, where the values
were between 0.107–3.615; only four fish species had concentrations below the RfD. The
EDI values for As exceeded the RfD only for H. hondae (Medio Atrato and Mutindó) and G.
Pellegrini (Vigia del Fuerte). Therefore, the exposure to Hg and As through the consumption
of fish could represent a threat to the health of all the inhabitants of the municipalities of
the middle basin of the Atrato River since the calculated EDI values exceeded the reference
dose tolerable intake. Our results were similar to the findings of studies of fish in the
municipality of Lloró (Chocó-Colombia), where the exposure to As and Hg through the
consumption of fish could represent a threat to the health of all the studied population
groups, especially for Hg [51].

The TQH data for Hg in our study were very high 0.736–21.68, which represents a
risk for the coastal populations through consumption of fish contaminated with Hg. These
data were similar to those reported for the municipalities of Vigía del Fuerte, Murindó,
Bojayá, Medio Atrato [8], and Lloró [51]. Other studies have shown that species such as
P. schultzi, A. pardalis, S. aequilabiatus, R. quelen, H. malabaricus, Cathorops melanopus, Cen-
trpomo undecimalis, C. umbrifera, C. kraussii, Prochilodus sp., Prochilodus punctatus, Prochilo-
dus magdalenae, Spatuloricaria atratoensis, Leporinus muyscorum, Hemiancistrus wilsoni, and
Cyphochara Magdalena presented values greater than one for the THQ index [9]. Our results
showed (Table 2) that the CR values through As exposure from fish consumption were
well above 1 × 10−4 for all the municipalities (except Bojayá), especially in Medio Atrato
(CR: 9.674 × 10−5–6.291 × 10−3), indicating that the local population should reduce its
intake of fish. Species such as A. pardalis, P. magdalenae, H. malabaricus, L. muyscorum,
and R. quelen, which are of gastronomic importance, showed levels of contamination of
carcinogenic importance for As, except for the municipality of Bojayá. Salazar-Camacho
et al. [8], reported similar data for carcinogenic risk through As exposure. The Colombian
National Institute of Cancerology (INC) has estimated that there are about 74.8 new cases
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of cancer per 100,000 inhabitants, although in the Pacific Region the increase in national
carcinogenic risk is not considered to be decisive; however, heavy metal contamination and
excessive intake of contaminated food may affect local and national carcinogenic risk in the
future. Genes are influenced by the environment and their modification can lead to many
types of cancer—there is a direct relationship between environmental contaminants and
the increase in many types of cancer.

MeHg is the most toxic form of Hg and exposure to this pollutant is associated with
the consumption of fish. In this study, it represented between 71.08–99.21% of the THg.
Therefore, it is important to assess the potential risk of exposure to MeHg in the population
based on the estimated weekly intake (EWI), corresponding to the maximum quantity of
fish that can be consumed weekly (MFW) per person without harmful effects on health,
and the permissible safety level concentration of MeHg in fish for human consumption.
Worryingly, our study showed that the WCHA group had a fish intake with a frequency
from 0.2 to 9.1 times more than recommended, compared to the 1.3–2.1 times reported by
Salazar-Camacho et al. [8] who also presented MFW values higher than those recommended.
This report shows that women of childbearing age or pregnant women (WCHA group),
especially in the municipalities of Medio Atrato, Vigía del Fuerte, and Munrindo, were
at risk of having high concentrations of MeHg in placental tissue, blood, and cord blood,
which could affect the health of the mother, fetus, and newborn.

Table S4 shows that the highest EWI corresponded to A. pardalis in Vigía del Fuerte
(10.65 μg/kg/week). According to the recommended limits for the consumption (MFW)
of fish, in the municipalities of Medio Atrato, Bojayá, Vigía del Fuerte, and Murindó,
consumption of species such as C. beani, P. schultzi, H. malabaricus, T. fisheri, A. pardalis,
S. aequilabiatus, R. quelen, C. atratoensis, and C. kraussii exceeded the weekly recommended
intake by residents. Our results agree with previous reports for some of these fish species
in the Atrato river basin [8,51]. The inhabitants (including children, pregnant women, and
women of childbearing age, the elderly, and adults) of all the studied areas presented EWI
values higher than the reference (PTWI) and the estimated values (MFW), respectively. As
such, there is a potential risk to the health of these inhabitants. The results of this study
are important because they show the impact of fish consumption on the most vulnerable
population (WCHA) of the middle basin of the Atrato River. Local and national authorities
need to implement strategies to prevent children and the WCHA group from consuming
fish containing high levels of Hg, such as H. malabaricus, A. pardalis, P. schultzi, C. kraussi
and R. quelen. They should, alternatively, recommend that these groups eat fish with low
concentrations of MeHg, such as Andinoacara pulcher, Leporinus muyscorum, and Hypostomus
hondae. Therefore, it is recommended to establish continuous monitoring of the content
of metal(oids) in the riverside populations of the basin and their food, and to implement
bioremediation strategies to decontaminate the soil and water in these areas, to guarantee
the consumption of safe foods with respect to heavy metal content and improve the health
security of the inhabitants who depend on the aquatic resources and crops of the area as
the basis of food security and economic sustenance.

5. Conclusions

High concentrations of As, Hg, Pb, and Cd were identified in fish, fruits-tubers and
vegetables-stems commonly consumed by inhabitants of the middle basin of the Atrato
River, which exceeded Codex limits. Similarly, in fish, the concentrations of MeHg and
THg exceeded the limits established by the WHO/FAO for vulnerable populations and the
rest of the adult population, especially for carnivorous fish species.

A high carcinogenic and non-carcinogenic risk was evidenced for the inhabitants of
the middle basin of the Atrato River due to the consumption of fish contaminated with high
concentrations of As, MeHg, and THg. However, the risk associated with consumption of
vegetables was very low with only a couple of species showing some degree of risk for As.

Health risks from consuming MeHg-contaminated fish are a matter of concern since
many fish species were consumed at levels exceeding the recommended weekly intake
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(MFW) and the PTWI for all population groups, in all areas studied. Thus, it is recom-
mended that the consumption of carnivorous species is reduced or replaced, and that
consumption of non-carnivorous species, such as P. magdalenae, occurs instead.

The combined exposure to the four metals through the consumption of fish, fruits, and
vegetables would probably result in exceeding the RfD for the population of the middle
Atrato basin. It is important that further studies of multiple exposure to toxins found in the
foods most consumed by the inhabitants are undertaken. In addition, it is necessary that
periodic monitoring of heavy metals is carried out in riverside populations and their food
and that bioremediation strategies for soils and water sources are implemented to reduce
the concentration of these pollutants and to improve food production and quality.

Supplementary Materials: The following supporting information can be downloaded at: https://
www.mdpi.com/article/10.3390/ijerph20010435/s1, Table S1: General characteristics of the population
from the middle basin of the Atrato river (Chocó-Colombia) (n = 446). Table S2: Concentrations of
Hg, MeHg, As, Pb, and Cd (μg kg−1 ww) in fish of the Atrato region. Table S3: Concentrations of
heavy metals (mg/kg) and consumption (days/week) of fruits and vegetables in the middle basin of
the Atrato river. Table S4: Estimation of the potential risk to the population from fish consumption in
the Atrato river basin. Table S5: Classification of pollution index of metals (Zhang et al., 2019) [40].
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Abstract: Extensive environmental pollution by microplastics has increased the risk of human
exposure to plastics. However, the biosafety of polypropylene microplastics (PP-MPs), especially of
PP particles < 10 μm, in mammals has not been studied. Thus, here, we explored the mechanism of
action and effect of exposure to small and large PP-MPs, via oral ingestion, on the mouse intestinal
tract. Male C57BL/6 mice were administered PP suspensions (8 and 70 μm; 0.1, 1.0, and 10 mg/mL)
for 28 days. PP-MP treatment resulted in inflammatory pathological damage, ultrastructural changes
in intestinal epithelial cells, imbalance of the redox system, and inflammatory reactions in the colon.
Additionally, we observed damage to the tight junctions of the colon and decreased intestinal mucus
secretion and ion transporter expression. Further, the apoptotic rate of colonic cells significantly
increased after PP-MP treatment. The expression of pro-inflammatory and pro-apoptosis proteins
significantly increased in colon tissue, while the expression of anti-inflammatory and anti-apoptosis
proteins significantly decreased. In summary, this study demonstrates that PP-MPs induce colonic
apoptosis and intestinal barrier damage through oxidative stress and activation of the TLR4/NF-
κB inflammatory signal pathway in mice, which provides new insights into the toxicity of MPs
in mammals.

Keywords: polypropylene microplastics (PP-MPs); intestinal barrier; oxidative stress; inflammatory
reaction; apoptosis

1. Introduction

The output of plastic and related products is continuously increasing because of its
widespread use and low cost. It is estimated that the total output of plastic waste will reach
12 billion tons in 2050 [1]. Plastic use in the past few decades has caused environmental
issues through the lack of sound recycling and treatment measures. Widespread plastic
pollution is considered to be a global threat to human and animal health, especially during
the period of the coronavirus disease 2019 (COVID-19) when increased use of masks and
surgical gloves led to the generation of a large amount of medical waste [2–5].

Plastics are further degraded into fragments in the environment. Thompson et al. [6]
first proposed microplastics (MPs), which were later defined as “plastic particles smaller
than 5 mm” [7]. Meanwhile, plastic particles below 0.1 μm are called nanoplastics (NPs) [8].
MPs have been detected in water [9,10], soil [11,12], air [13–15], tap water [16–18], drinking
water [19,20], and even human food [21–25]. The main types of MPs are polyethylene
(PE), polypropylene (PP), and polystyrene (PS) [26]. MPs can move along the food chain
to higher-level organisms, including humans. Oral intake is a major route for human
exposure to MPs, and they have been detected in adult and infant feces [27–29] and human
placenta [30,31], among which, PP constituted the highest proportion of MPs, and its
relative mass abundance in adult feces was up to 61.0% [28]. In addition, infants who are
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fed formula from PP infant feeding bottles are exposed to PP-MPs ranging from 14,600–
4,550,000 particles per capita per day, depending on the region [32]. Therefore, more
attention should be paid to the influence of MPs (especially PP) on human health.

Most current reports on the toxicity of MPs focus on PS, while the biological safety
assessment of PP is mainly concentrated on aquatic organisms [33–35] and plants [36,37].
Previous studies have reported that PP-MPs can reduce the thickness of the intestinal
mucosa and intestinal muscle layer, cause oxidative stress and inflammation in intestinal
tissue, and seriously interfere with lipid metabolism in zebrafish [38,39]. Ten micrograms
per liter of 70 μm PP-MP significantly reduced the survival rate of zebrafish [40]. However,
few studies have measured the effects of PP-MPs on mammalian and cell models, although
PP-MPs contribute to pulmonary inflammation in vivo and affect the level of immune
cytokines in vitro [41,42]. Meanwhile, PP-MPs with an average particle size of >50 μm do
not exhibit acute toxicity in rats [43–45]. However, there is no report on the biosafety of PP
particles < 10 μm in the environment, thus warranting further study.

The intestinal tract may be the primary target organ after oral ingestion of PP-MPs. The
intestinal barrier plays a key role in evaluating PP-MP intestinal toxicity and its toxic effects
on distal tissues and organs. Orally ingested MPs can accumulate in organisms through the
intestinal barrier and cause adverse effects such as flora imbalance and metabolic changes,
which may lead to damage in multiple systems and organs [46–48]. Thus, MP exposure
can cause intestinal barrier dysfunction or even damage, which may be a key factor for MP
biotoxicity. However, the effect of orally ingested PP-MPs on the intestinal tract (especially
on the intestinal barrier) remains unknown.

The mechanical and chemical barriers are two important aspects of the intestinal
barrier. The mechanical barrier consists of intact intestinal epithelial cells and tight con-
nections between cells. Goblet cells in the intestinal epithelium secrete mucus to form the
intestinal mucus barrier, which is an important component of the chemical barrier [49,50].
The intestinal mucus layer covers almost the entire intestinal cavity surface; it lubricates,
resists bacterial invasion, and protects the intestinal tract from mechanical damage and
pathogenic bacteria [51,52]. Therefore, both the intestinal epithelial cell layer and mucus
layer form the first line of defense against external factors and play an important role in
maintaining the balance of the intestinal environment and blocking intestinal pathogens
and toxins [53,54]. However, pathogenic factors, such as stress and inflammation, can
destroy intestinal barrier function and cause intestinal mucosal barrier injury [55,56].

This study aimed to clarify the mechanism and effect of orally ingested PP-MPs on the
intestinal tract. To this end, two kinds of PP-MP particles with different scales were selected,
the relevant doses of environmental exposure were adopted, and a subacute oral ingestion
model in mice was established to study the effects of PP-MPs on the intestinal mucosal
barrier and the changes in related signaling pathways. Ultimately, we aimed to evaluate
the intestinal toxicity caused by PP-MPs. This is the first study on the intestinal toxicity
of ~10 μm PP-MPs in mice, which provides a toxicological reference for the biosafety
assessment of environmental PP-MPs and their risk of exposure to humans.

2. Materials and Methods

2.1. Characterization of PP Particles and Suspension Preparation

PP was purchased from Shanghai Macklin Biochemical Co., Ltd. (Shanghai, China),
and PP-MP particles were prepared according to a previous method [41,57]. PP material
was frozen in liquid nitrogen for 10 min and the powder was ground with a temperature-
controlled three-dimensional vibration ball mill (TJSKW; Techin, Tianjin, China) at 4 ◦C
for 25 min. The powder was collected and separated with an electromagnetic vibration
sieve (TJ-TAS; Techin). The PP particles were separated by size using sieves with ~10 μm
and 20–100 μm pore sizes. All of the PP particles were irregular blocks according to
scanning electron microscopy (SEM) images (Tescan VEGA3; Tescan, Brno, Czech Republic)
(Figure 1A,B). The particle size ranges of PP are 1–10 μm (50% are 8 μm) and 40–90 μm (60%
are 70 μm) (NIH, Bethesda, MD, USA) [58] (n = 100) (Figure 1C,D). Therefore, to express
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the results of this study, we used 8 μm to represent the size of smaller PP particles and
70 μm to represent the size of larger PP particles.

Figure 1. Characterization and scanning electron microscopy (SEM) images of polypropylene (PP)
particles. (A) SEM images of 8 μm PP particles (scale bar = 10 μm) determined with a particle size
analyzer (C). (B) SEM images of 70 μm PP particles (scale bar = 10 μm) determined with a particle
size analyzer (D).

A 10 mg/mL suspension of PP particles was prepared in pure water, followed by the
addition of Tween 80 to 0.01% v/v. The mixture was ultrasonicated at 40K Hz for 1 hr using
ultrasonic cleaner (DS-2510DTH; Shanghai Aucy Scientific Instrument Co., Ltd., Shanghai,
China), then diluted to the desired concentration. The suspension was ultrasonicated for
30 min and fully mixed in the eddy current oscillator before administration to animals.

2.2. Animals and Experimental Design

Seventy-two male C57BL/6 mice of 22–26 g body weight were purchased from Beijing
Vital River Laboratory Animal Technology Co., Ltd., China (animal production license
number: SCXK (Beijing) 2016–0006). All animal experiments were approved by the Exper-
imental Animal Welfare Ethics Committee of the Tianjin Institute of Environmental and
Operational Medicine, IACUC approval code AMMS-04-2021-014. The mice were reared
in a specific pathogen-free (SPF) animal room with an ambient temperature of 23 ± 2 ◦C,
a photoperiod of 12 h light/12 h darkness, and a relative humidity of 40–60%. The diet
contained bran, soybean meal, corn, flour, sorghum flour, fish meal, calcium hydrogen
phosphate, and salt. All ingredients complied with the corresponding national food hy-
giene standards. Food and sterilized water were provided ad libitum. The exposure dose
of PP-MPs (8 and 70 μm) was 1, 10, and 100 mg/kg/d; that is, the exposure concentration
was 0.1, 1, and 10 mg/mL, respectively. This exposure dose is based on the previous
literature: the intake of MPs for adult humans (calculated for 70 kg) is 0.1–5 g per week,
or 0.2–10.2 mg/kg body weight (bw)/d [59]. Therefore, the PP dose selected for the test
reflects the real range of human MP intake.

Mice were acclimatized for one week, then randomly divided into eight groups: blank
control (pure water, BC), solvent control (pure water containing 0.01% v/v Tween-80, SC),
8 μm PP at 0.1 mg/mL (Ls), 8 μm PP at 1.0 mg/mL (Ms), 8 μm PP at 10 mg/mL (Hs),

185



Toxics 2023, 11, 127

70 μm PP at 0.1 mg/mL (Lb), 70 μm PP at 1.0 mg/mL (Mb), and 70 μm PP at 10 mg/mL
(Hb). Each mouse group was housed in two cages, four or five in each cage. The mice
were given 0.1 mL/10 g bw of PP-MPs suspension by oral gavage for 28 days. At the
end of the experiment, mice were fasted for 12 h and anesthetized. Colon tissues were
carefully isolated, colon segments of about 4 cm were taken, and then the intestinal contents
were washed with aseptic PBS buffer. Some of the colon samples were fixed with different
solutions for subsequent staining sections, and the remaining samples were frozen in liquid
nitrogen for Western blotting and enzymatic analysis.

2.3. Histopathological Examination and Electron Microscopy Analysis

The colonic tissues of mice in each group were fixed in 4% w/v paraformaldehyde
solution at 4 ◦C for 24 h, then dehydrated in gradient ethanol from 75% to 100% for 40 min,
respectively, immersed in xylene to make it transparent, and embedded in paraffin wax.
The embedded samples were cut into 3 μm thick sections with a microtome (RM2245; Leica,
Nussloch, Germany) and stained with hematoxylin–eosin (H&E), and the histopathological
changes were observed under an Olympus DP26 microscope (Tokyo, Japan).

The colonic tissues were soaked in 2.5% w/v glutaraldehyde at 4 ◦C for 24 h and fixed
in 1% w/v osmic acid at 20 ◦C for 2 h. The samples were dehydrated with gradient ethanol
from 30% to 100% for 20 min, respectively, and embedded in epoxy resin. Ultrathin sections
(50 nm) were prepared with a microtome (UC7; Leica). The sections were double-stained
with 2% w/v uranium acetate and lead citrate for 15 min at 20 ◦C and dried overnight.
Ultrastructural changes were observed with a transmission electron microscope (Fei Tecnai
G20 TWIN, FEI, Hillsboro, OR, USA).

2.4. Alcian Blue/Periodic Acid–Schiff (AB-PAS) Staining

Paraffin sections of the colonic tissues were prepared according to the method above.
The sections were dewaxed in xylene, hydrated in a graded ethanol series (100%, 85%,
and 75%), and stained with alcian blue/periodic acid–Schiff (AB-PAS). The dye solution
was prepared according to the requirements of the kit (Nanjing JianCheng Bioengineering
Institute, Nanjing, China). Then dye solution was added to the glass slide sample, incubated
at room temperature (about 20 ◦C) for 8–15 min, washed with running water, dried naturally,
and examined under a microscope. The mucus coverage ratio was calculated as the pixels
in the mucus area to the total pixel area of the gut section. The pixels were determined
using Image Pro Plus 6.0 software (Media Cybernetics, Rockville, MD, USA).

2.5. Immunohistochemical Analysis

Colon paraffin sections were taken for immunohistochemical analysis. The sections
were dewaxed in xylene and hydrated in a graded ethanol series (100%, 85%, and 75%).
Antigen retrieval was performed using sodium citrate antigen retrieval solution (pH 6.0),
following the manufacturer’s instructions (Beijing Solarbio Science & Technology Co., Ltd.,
Beijing, China). The sections were incubated with 3% v/v hydrogen peroxide in the dark for
25 min to quench endogenous peroxidase activity. After blocking with normal goat serum
(Solarbio) at room temperature (about 20 ◦C) for 30 min, sections were separately incubated
with the following antibodies at 4 ◦C overnight: anti-solute carrier family 26 member 6
(SLC26A6, 1:400; Bioss, Beijing, China), anti-Na-K-2Cl cotransporter 1 (NKCC1, 1:200; CST,
Boston, MA, USA), and anti-cystic fibrosis transmembrane conductance regulator (CFTR,
1:100; CST). Then, the sections were incubated with goat anti-rabbit IgG HRP secondary
antibody (1:500; Sino Biological, Beijing, China) for 50 min at room temperature, stained
with diaminobenzidine (DAB; Solarbio) for color development, and counterstained with
hematoxylin (cell nucleus) for 8 min. Finally, the sections were dehydrated in ascending
ethanol (75%, 85%, and 100%), hyalinized in xylene, and sealed with neutral gum. The
positive areas of the sections were observed and photographed using an Olympus BX51
fluorescence microscope, and the fluorescence intensity was analyzed using with Image
Pro Plus 6.0 software.
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2.6. Detection of Oxidative Stress Markers

The colon tissues of each group of mice were prepared according to the kit require-
ments to detect the levels of colonic oxidative stress markers. The concentrations of reduced
glutathione (GSH) and oxidized glutathione (GSSG) (GSH and GSSG Assay Kit, S0053,
Beyotime Biotechnology Co., Ltd., Shanghai, China), malondialdehyde (MDA) (Lipid
Peroxidation MDA Assay Kit, S0131S, Beyotime), and catalase (CAT) (Catalase assay kit
(Visible light), A007-1-1, Jiancheng) were detected using colorimetric kits. Glutathione
peroxidase (GSH-Px) expression was detected using a Total Glutathione Peroxidase Assay
Kit with NADPH (S0058, Beyotime). Superoxide dismutase (SOD) content was determined
using a Total Superoxide Dismutase Assay Kit with WST-8 (S0101S, Beyotime). Protein
concentration was determined with a BCA Protein Assay Kit (Beyotime).

2.7. Enzyme-Linked Immunosorbent Assay (ELISA)

ELISA kits were used to determine the expression of inflammatory factors and
intestinal-barrier-related proteins in colon tissues. Inflammatory factors included mouse
tumor necrosis factor alpha (TNF-α; Mouse TNFα ELISA Kit, JL10484, Shanghai Jianglai
Biotechnology Co., Ltd., Shanghai, China), interleukin 1 beta (IL-1β; Mouse IL-1β ELISA
Kit, JL18442, Jianglai), interleukin 6 (IL-6; Mouse IL-6 ELISA Kit, JL20268, Jianglai), and in-
terleukin 10 (IL-10; Mouse IL-10 ELISA Kit, JL20242, Jianglai). Intestinal-barrier-related pro-
teins included mouse zonula occludens 1 (ZO-1; Mouse ZO-1 ELISA Kit, JL20409, Jianglai),
occludin (Mouse Occludin ELISA Kit, JL20408, Jianglai), mucin-1 (MUC1; Mouse MUC1
ELISA Kit, JL26951, Jianglai), and claudin-1 (CLDN1; ELISA Kit for CLDN1, SEC388Mu,
Wuhan Cloud Clone Technology Co., Ltd., Wuhan, China). The extracted colon homogenate
was mixed with the reagent in the kits, followed by the addition of a chromogenic agent
for color development, and finally treated with a stop solution according to the manufac-
turer’s protocols. The optical density (OD) of each sample was measured at 450 nm with a
microplate reader (Molecular Devices M5E, Silicon Valley, Calif., USA). The levels of in-
flammatory factors and intestinal-barrier-related proteins were calculated using a standard
curve. Protein concentration was determined with a BCA Protein Assay Kit (Beyotime).

2.8. Apoptosis Detection in the Colon

The paraffin sections of colonic tissue were generated as previously stated. The
sections were dewaxed in xylene and hydrated with a graded ethanol series (100%, 85%,
and 75%). A membrane-breaking working solution (PBS containing 0.5% Triton X-100) was
added to cover the tissues. After being stained with TUNEL fluorescence staining solution
(In Situ Cell Death Detection Kit-POD; Roche, Basel, Switzerland) at 37 ◦C for 2 h in the
dark, the sections were washed with PBS (pH 7.4) three times, counterstained with DAPI
(4′,6-diamidino-2-phenylindole) (cell nucleus) and sealed with anti-fluorescence quenching
sealing tablets. Images of the sections were observed with an Olympus BX51 fluorescence
microscope, and the number of apoptotic cells was counted. The TUNEL positive cell rate
= number of apoptotic cells/total cells × 100% in each visual field.

2.9. Western Blot Analysis

Total protein extraction of colonic tissue was performed by treatment with RIPA buffer,
followed by centrifugation at 12000 r/min for 5 min at 4 ◦C, and the concentration was mea-
sured with a BCA Protein Assay Kit (Beyotime). Proteins (50 μg) were electrophoresed in an
8–10% gradient sodium dodecyl sulfate polyacrylamide gel and transferred to polyvinyli-
dene fluoride (PVDF) membranes (Millipore, Billerica, MA, USA). After blocking with 5%
w/v nonfat milk dispersed in Tris-buffered saline containing 0.05% Tween-20 (TBST) for 1 h,
the membranes were incubated with primary antibodies against IκBα (CST), p105 (CST),
p50 (Abcam, Cambridge, UK), p65 (CST), p-p65 (CST), Toll-like receptor 4 (TLR4; Abcam),
Bax (CST), Bcl-2 (CST), caspase-9 (CST), caspase-3 (CST), cleaved caspase-9 (CST) (all
1:1000), and cleaved caspase-3 (1:500; Bioss), as well as the internal control glyceraldehyde
3-phosphate dehydrogenase (GAPDH) antibody (1:2000; Tianjin UtiBody Biotechnology
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Co., Ltd., Tianjin, China) overnight at 4 ◦C. The membranes were washed with TBST
(10 min wash × 3), followed by incubation with goat anti-rabbit IgG HRP secondary anti-
body (1:3000; Bioss) and goat anti-mouse IgG HRP (1:3000; Bioss) secondary antibody at
room temperature (about 20 ◦C) for 1 hr. Membranes were washed three times with TBST,
stained using ECL chemiluminescence reagent (Solarbio), and imaged in a fully automatic
chemiluminescence image analysis system (Tanon 5200, Shanghai, China). The grayscale
value of protein imprinting was analyzed using Gel-Pro analyzer software.

2.10. Statistical Analysis

Data are expressed as the mean ± standard deviation (SD). Statistical analyses were
performed using SPSS 25.0 software. Differences between groups were determined accord-
ing to one-way analysis of variance (ANOVA) followed by the least post-squares post hoc
test for equal variances or Dunnett’s T3 post hoc test for unequal variances. Any p-value of
<0.05 was considered to be statistically significant.

3. Results

3.1. Polypropylene Microplastic Exposure Changes Colonic Histopathology and Ultrastructure

The whole-colon tissue structure of mice in the blank control group and solvent control
group was basically normal, and there were no abnormalities in the mucosal layer and
muscular layer. However, mild edema of the submucosa was found in the colon of mice
in all PP-MP treatment groups. In addition, a large number of lymphocytes gathered
in the colon of mice in the 1.0 mg/mL treatment group using 8 μm PP-MPs. A small
amount of inflammatory cells infiltrated the colon of mice in the 10 mg/mL treatment
group. Glandular hyperplasia of the mucosal layer appeared in the colon of mice in the
10 mg/mL treatment group using 70 μm PP-MPs (Figure 2A).

In addition, the ultrastructure of the colonic epithelial cells of mice was basically
normal in the blank control group and the solvent control group; also, the nucleus was
clearly visible, and the mitochondrial structure was normal. The ultrastructure of colonic
epithelial cells of mice in all PP-MP treatment groups was also basically normal, and the
nucleus was clearly visible. Meanwhile, PP granules were found in colonic epithelial cells
of mice in all PP-MPs treatment groups. The ultrastructural changes of colonic epithelial
cells of mice treated with 8 μm PP-MPs (1 and 10 mg/mL) and 70 μm PP-MPs (10 mg/mL)
included mild abnormalities in the mitochondrial structure: loose ridge arrangement,
reduced matrix, partial swelling, and vacuolation (Figure 2B).

3.2. Polypropylene Microplastic Exposure Induces Colonic Oxidative Stress and Inflammation

There was no significant difference in the levels of MDA, GSSG, SOD, GSH, GSH-Px,
and CAT in the colon of mice in the blank control group compared with that of the solvent
control group (Figure 3A–F). The levels of SOD, GSH, GSH-Px, and CAT in all PP-MP
treatment groups significantly decreased (p < 0.05) compared with that of the solvent control
group, and the MDA level significantly increased (p < 0.05); each of these relationships
showed a certain concentration dependence. Exposure to 8 μm and 70 μm PP-MPs at
1 mg/mL and 10 mg/mL significantly increased the level of GSSG compared with that in
the solvent control group (p < 0.05). In addition, the expression of CAT in the 8 μm PP-MP
treatment group was significantly lower than that in the 70 μm PP-MP treatment group
(p < 0.05). The MDA level in the 8 μm PP-MP treatment group was significantly higher
than that in the 70 μm PP-MP (1 and 10 mg/mL) treatment groups (p < 0.05). The levels of
SOD and GSH-Px in the 8 μm PP-MP treatment group were significantly lower than those
in the 70 μm PP-MP treatment group (p < 0.05) at the exposure concentration of 10 mg/mL.
These results indicate that PP-MP exposure caused an imbalance in the redox system in the
intestinal tissues of mice, resulting in oxidative damage.
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Figure 2. Effects of exposure to PP-MPs on colonic histopathology and ultrastructure in mice.
(A) Images of H&E-stained colon sections of mice treated with PP-MPs. Black arrow: submucosal
edema; red arrow: massive aggregation of lymphocytes; blue arrow: glandular hyperplasia of
mucosal layer; green arrow: inflammatory cell infiltration. (B) Ultrastructural changes of colon after
exposure to PP-MPs. Red arrows: PP particles; green arrow: slight abnormality of mitochondrial
structure, with loose ridge arrangement, less matrix, partial swelling, and vacuolation. n = 3. BC:
blank control (pure water); SC: solvent control (pure water containing 0.01% v/v Tween-80); PP-MPs:
polypropylene microplastics. Ls: 8 μm PP at 0.1 mg/mL; Ms: 8 μm PP at 1.0 mg/mL; Hs: 8 μm PP at
10 mg/mL; Lb: 70 μm PP at 0.1 mg/mL; Mb: 70 μm PP at 1.0 mg/mL; Hb: 70 μm PP at 10 mg/mL.
scale bar = 1 μm.

There was no significant difference in the levels of TNF-α, IL-1β, IL-6, and IL-10 in the
colon of mice in the blank control group compared with that of the solvent control group
(Figure 3G–J). The levels of TNF-α, IL-1β, and IL-6 significantly increased in all PP-MP
treatment groups, and IL-10 expression significantly decreased (p < 0.05) compared with
that of the solvent control group. The effect was concentration-dependent. In addition, the
levels of TNF-α, IL-1β, and IL-6 were significantly higher in the 8 μm PP-MP treatment
group than those in the 70 μm PP-MP (1 and 10 mg/mL) treatment groups (p < 0.05). The
level of IL-10 in the 8 μm PP-MP treatment group was significantly lower than that in the 70
μm PP-MP (10 mg/mL) treatment group (p < 0.05). These results suggest that inflammatory
reactions occur in the colon of mice exposed to PP-MPs.
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Figure 3. Oxidative stress and inflammation occurred in the colon of mice after PP-MP expo-
sure. (A–F) Colonic levels of SOD (A), MDA (B), GSSG (C), GSH-Px (D), GSH (E), and CAT (F).
(G–J) Colonic levels of TNF-α (G), IL-1β (H), IL-6 (I), and IL-10 (J). The presented values are the
means ± SD (n = 5). # p < 0.05, ## p < 0.01 between PP-MP treated groups, and * p < 0.05, ** p < 0.01 vs.
SC as determined by one-way analysis of variance (ANOVA). BC: blank control (pure water); SC:
solvent control (pure water containing 0.01% v/v Tween-80); PP-MPs: polypropylene microplastics.

3.3. Polypropylene Microplastic Exposure Activates the TLR4/NF-κB Signaling Pathway

The levels of TLR4, p105, p50, p65, p-p65, and IκBα were not significantly different in
the colon of the blank control mice from those in the solvent control group (Figure 4). The
levels of TLR4, p50, and p-p65 significantly increased in all PP-MP treatment groups, and
IκBα expression significantly decreased (p < 0.05) compared with that of the solvent control
group. The differences were all concentration-dependent. In addition, the level of IκBα
was significantly lower in the 8 μm PP-MP treatment group than that in the 70 μm PP-MP
(1 and 10 mg/mL) treatment groups (p < 0.05). Also, the levels of p50 and p-p65 in the 8 μm
PP-MP treatment group were significantly higher than that in the 70 μm PP-MP treatment
group (p < 0.05). The level of TLR4 in the 8 μm PP-MP treatment group was significantly
higher than that in the 70 μm PP-MP (10 mg/mL) treatment group at (p < 0.05).

3.4. Polypropylene Microplastic Exposure Destroys the Intestinal Mucosal Barrier in Mice

AB-PAS staining showed that there was no significant difference in the colonic mucus
coverage rate between the blank control group and the solvent control group (Figure 5A).
The colonic mucus coverage rate of mice treated with 8 μm and 70 μm PP-MPs (1 and
10 mg/mL) significantly decreased compared with that of the solvent control group
(p < 0.05).
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Figure 4. Effects of PP-MP exposure on protein expression of the TLR4/NF-κB signaling pathway.
(A) Western blot of TLR4, p105, p50, p65, p-p65, and IκBα protein expression. GAPDH was used as
an internal reference. (B–G) Quantitative expression of these proteins. The values are the means ±
SD (n = 4). # p < 0.05, ## p < 0.01 between PP-MP treated groups, and * p < 0.05, ** p < 0.01 vs. SC as
determined by one-way analysis of variance (ANOVA). BC: blank control (pure water); SC: solvent
control (pure water containing 0.01% v/v Tween-80); PP-MPs: polypropylene microplastics.

The levels of ZO-1, claudin-1, occludin, and mucin (MUC1) were not significantly
different in the colon of mice in the blank control group from those in the solvent control
group (Figure 5B–E). The levels of occludin and MUC1 in all PP-MP treatment groups
significantly decreased (p < 0.05) in a concentration-dependent manner compared with
that of the solvent control group. The levels of ZO-1 and claudin-1 significantly decreased
in the 8 μm PP-MP (1 and 10 mg/mL) treatment groups and 70 μm PP-MP (10 mg/mL)
treatment group compared with that of the solvent control group (p < 0.05). In addition,
the expression of ZO-1, claudin-1, and MUC1 were significantly lower in the 8 μm PP-MP
treatment group than those in the 70 μm PP-MP treatment group (p < 0.05) at 1 mg/mL
and 10 mg/mL exposure concentrations. Occludin expression was significantly lower in
the 8 μm PP-MP treatment group than that in the 70 μm PP-MP treatment group (p < 0.05)
at the exposure concentration of 10 mg/mL.

Immunohistochemical analysis of the colon showed that there was no significant
difference in the levels of CFTR, SLC26A6, and NKCC1 between the blank control group
and the solvent control group (Figure 5F). The level of NKCC1 significantly decreased in
all PP-MP treatment groups (p < 0.05) compared with that of the solvent control group.
The level of SLC26A6 significantly decreased in the 8 μm PP-MP (0.1, 1, and 10 mg/mL)
treatment groups and 70 μm PP-MP (1 and 10 mg/mL) treatment groups compared with
that of the solvent control group (p < 0.05). The level of CFTR was significantly lower in the
8 μm and 70 μm PP-MP treatment groups than that in the solvent control group (p < 0.05)
at the exposure concentration of 10 mg/mL.
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Figure 5. Polypropylene microplastics affect the intestinal barrier in mice. (A) AB-PAS staining and
the ratio of the mucus coverage area to the entire colon area. Neutral mucin is purplish red, and
acidic mucin is blue; the tissues and cells containing both neutral and acidic mucins show different
degrees of purple. (B–E) The expression of ZO-1 (B), claudin-1 (C), occludin (D), and MUC1 (E) in
the colon. (F) Immunohistochemistry of the colonic ion channel transport proteins CFTR, NKCC1,
and SLC26A6. The nucleus stained with hematoxylin is blue and the positive expression is brown.
The values are the means ± SDs (normalized amounts of AB-PAS and immunohistochemistry, n = 3;
intestinal-barrier-related protein level, n = 5). # p < 0.05, ## p < 0.01 between PP-MP treated groups,
and * p < 0.05, ** p < 0.01 vs. SC was determined via one-way analysis of variance (ANOVA). BC:
blank control (pure water); SC: solvent control (pure water containing 0.01% v/v Tween-80); PP-MPs:
polypropylene microplastics.
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3.5. Polypropylene Microplastic Exposure Promotes Apoptosis of Colonic Cells

The TUNEL experiment showed that there was no significant difference in the apop-
totic rate of colonic cells between the blank control group and the solvent control group
(Figure 6A,B). The apoptotic rate of colonic cells significantly increased (p < 0.05) in all
PP-MP treatment groups in a concentration-dependent manner compared with that of
the solvent control group. In addition, the apoptotic rate of colonic cells was significantly
higher in the 8 μm PP-MP treatment group than that in the 70 μm PP-MP (1 and 10 mg/mL)
treatment groups (p < 0.05).

Figure 6. Effects of exposure to PP-MPs on apoptosis and the apoptosis pathway in colon tissue.
(A) Images of colon sections stained with TUNEL to assess cell apoptosis after PP-MP exposure
(200×, scale bar = 50 μm). Apoptotic cells are green, and the nucleus was stained with DAPI in blue.
(B) Quantification of the apoptotic rate of colonic cells. (C) Western blot of Bax, Bcl-2, caspase-9,
caspase-3, cleaved caspase-9, and cleaved caspase-3. (D–I) Quantitative expression of these proteins.
The presented values are the means ± SDs (TUNEL staining: n = 3; Western blot analysis: n = 4).
# p < 0.05, ## p < 0.01 between the PP-MP treated groups, and * p < 0.05, ** p < 0.01 vs. SC was
determined via one-way analysis of variance (ANOVA). BC: blank control (pure water); SC: solvent
control (pure water containing 0.01% v/v Tween-80); PP-MPs: polypropylene microplastics.

Furthermore, there was no significant difference in the levels of Bax, Bcl-2, caspase-9,
cleaved caspase-9, caspase-3, and cleaved caspase-3 (all proteins related to apoptosis) in
the colon of mice in the blank control group compared with the solvent control group
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(Figure 6C–I). Bcl-2 levels significantly decreased in all PP-MP treatment groups, while the
levels of Bax and cleaved caspase-9 significantly increased (p < 0.05) compared with the
solvent control group; each change was concentration-dependent. The levels of cleaved
caspase-3 were significantly higher (p < 0.05) in the 8 μm and 70 μm PP-MP treatment
groups (1 and 10 mg/mL) than those in the solvent control group. At the same time, the
Bax level was significantly higher after 8 μm PP-MP treatment than after 70 μm PP-MP
treatment, while the Bcl-2 level was significantly lower after 8 μm PP-MP treatment com-
pared with that of the 70 μm PP-MP treatment group (p < 0.05) at exposure concentrations
of 1 mg/mL and 10 mg/mL. The levels of cleaved caspase-9 and cleaved caspase-3 were
significantly higher in the 8 μm PP-MP treatment group than those in the 70 μm PP-MP
treatment group (p < 0.05) at the exposure concentration of 10 mg/mL.

4. Discussion

There is little research on the biosafety of PP-MPs in mammals. This study evaluated
the intestinal toxicity and possible mechanism of subacute oral ingestion of PP-MPs (8 μm
and 70 μm) in mice. These sizes were selected because MPs with a particle size of 1–50 μm
have been found to be dominant in tap water samples collected from consumer homes [18].
Moreover, MPs (<10 μm) can be absorbed by intestinal epithelial cells and accumulate in
the intestine, after which they pass through the intestinal barrier and enter the systemic
circulation to reach other organs [60,61]. MP fragments with sizes ranging between 5–10 μm
were found in the placenta after vaginal delivery; the most common type of detected MP
was PP [30], while those with sizes above 50 μm were found in the placenta and meconium
post-cesarean section delivery [31].

According to our pathological and electron microscopy results, we speculate that
PP-MPs may enter the intestinal epithelial cells through the damaged intestinal mucosal
barrier, after which they occur in the colon. In addition, we found that the 10 mg/mL
treatment group exhibited the most severe colon injury at 8 μm PP-MP or 70 μm PP-MP.
Inflammatory and mucosal injury in colon tissue and mitochondrial injury in the epithelial
cell ultrastructure are typically related to oxidative stress [62,63]. Therefore, we measured
indicators of oxidative stress and inflammation in the colon. Notably, damage caused by
8 μm PP-MP to the colon tissue of mice was more severe than that by 70 μm PP-MP at the
exposure concentration of 1 mg/mL, and we propose that the particle size of PP affects
its toxicity.

Our study also found that the levels of the antioxidant GSH and the antioxidant
enzymes SOD, CAT, and GSH-Px significantly decreased in the colon of mice after PP-MP
exposure, while MDA levels significantly increased. Among them, GSH plays an important
role in scavenging reactive oxygen species, and GSH-Px directly or indirectly plays the role
of the antioxidant [64]. MDA is the product of lipid peroxidation which can be used as an
index to measure oxidative damage [65]. These results show that PP-MP exposure reduces
the level of antioxidant defense in the colon tissue of mice, resulting in increased oxidative
stress reactions. Simultaneously, the levels of the pro-inflammatory factors TNF-α, IL-1β,
and IL-6 significantly increased in colon tissue after oral ingestion of PP-MPs, while the
level of anti-inflammatory factor IL-10 significantly decreased, indicating the occurrence of
inflammatory injury in the colon of mice. Our results are consistent with those of previous
studies showing that MPs induce oxidative stress and inflammation [66–68]. In addition,
the colonic oxidative stress and inflammatory damage was more severe in mice treated
with 8 μm PP-MPs than in those treated with 70 μm PP-MPs at an exposure concentration
of 10 mg/mL. Therefore, we speculate that oxidative stress and inflammatory injury play a
key role in intestinal injury caused by oral ingestion of PP-MPs.

Pathological conditions such as inflammation or disorder of the redox system can
increase tyrosine phosphorylation of occludin protein and change the interaction between
occludin and ZO-1 protein, thus breaking the tight junction [69]. Tight junctions are mainly
composed of occludin and claudin proteins, which are anchored to the actin cytoskeleton
by the scaffold protein Zos [70]. ZO-1 is closely related to other tight junction proteins
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and functions as an adaptor that connects transmembrane proteins to the perijunctional
actomyosin ring [71,72]. Occludin is a tight junction transmembrane protein that plays a
key role in maintaining the tight junction barrier [73]. Claudin is the main determinant
of tight junction paracellular permeability, and changes in claudin protein may lead to
intestinal instability, inflammation, and the progression of necrotizing enterocolitis [74,75].
Destruction of the tight junction increases intestinal permeability, and harmful substances
such as bacteria and endotoxins enter the systemic milieu, adversely affecting the health
of the organism [76,77]. Rao et al. [78] believe that oxidative stress induces tight-junction
destruction and increases intestinal permeability by mediating tyrosine phosphorylation
and the redistribution of occluding–ZO-1 and E-cadherin–beta-catenin complexes from the
intracellular junctions. In addition, TNF and interleukin (IL) can significantly disrupt the
expression and distribution of tight junction proteins, thus damaging intestinal barrier func-
tion [79,80]. TNF-α increases intestinal permeability by affecting occludin internalization
and interferes with ZO-1 subcellular localization and protein expression by stimulating NF-
κB signal transduction, resulting in damage to intestinal barrier function [81,82]. Incubation
of the intestinal epithelial cell monolayer (Caco-2 and T84) with IFN-γ and TNF-α pro-
motes the recombination of tight junction proteins including ZO-1, occludin, and claudin-1,
and reduces epithelial barrier function [83]. IL-1, IL-6, and IL-10 have a great influence
on epithelial and endothelial paracellular permeability [82]. IL-1 intervention in vitro in-
creases the permeability of intestinal epithelial tight junctions and downregulates occludin
expression by activating NF-κB. In vitro IL-6 intervention increases the permeability across
endothelial cells and leads to ZO-1 mislocalization. Meanwhile, IL-10 blocks epithelial
permeability induced by IFN-γ to maintain the epithelial barrier and chloride secretion
function; IL-10-deficient mice exhibit increased intestinal permeability [84–87]. We found
that occludin expression significantly decreased in all PP-MP treatment groups, and the
expression of ZO-1 and claudin-1 significantly decreased in the 8 μm and 70 μm PP-MP
treatment groups at 10 mg/mL exposure concentration. This indicates that tight junctions
were broken. In addition, the colonic tight junction injury in mice treated with 8 μm PP-
MPs was more severe than in mice treated with 70 μm PP-MPs at 10 mg/mL exposure
concentration. Therefore, we conclude that PP-MPs destroy the tight junctions of mice
intestinal epithelium by mediating colonic oxidative stress and inflammation and induce
intestinal mucosal barrier injury.

The mucus layer on the surface of the intestinal cavity (and secreted mucins) protects
the intestinal mucosa and resists bacterial invasion [88]. MUC1 is a cell-surface mucin
of intestinal epithelial cells that protects epithelial cells and participates in signal trans-
duction [89,90]. Our results show that colonic mucus secretion and MUC1 expression
significantly decreased in the 8 μm and 70 μm PP-MP treatment groups at exposure con-
centrations of 1 mg/mL and 10 mg/mL. Similarly, oral ingestion of PS nano/microplastics
reduces mucus secretion and the level of Muc1 gene transcription in the colon of mice [55,91],
and exposure to PS-MPs through drinking water also resulted in such effects in the colon
of mice [47,92]. Oxidative damage can induce mucin degradation, and higher ROS levels
can reduce mucus barrier thickness [93]. TNF-α causes the loss of mucin-producing goblet
cells by inducing the death of intestinal epithelial cells, while also affecting mucus layer
composition by regulating the expression of other components in the mucus [94]. IL-10
promotes the production of intestinal mucus by inhibiting protein misfolding and endoplas-
mic reticulum stress in goblet cells, thus maintaining the mucus barrier [95]. Our results
indicate that oral ingestion of PP-MPs causes oxidative damage and changes the levels of
inflammatory cytokines in the intestinal tract of mice which further induces destruction of
the intestinal mucus barrier.

Tight junctions maintain the intestinal epithelial barrier and regulate the osmotic
gradients required for ion transport [96]. In particular, epithelial anion secretion can ensure
the correct ion environment needed for the formation of a normal mucus layer [97–99].
We speculate that the ion transport process may be affected after intestinal barrier injury
in mice. Our results show that the expression of chloride channel proteins in the colon
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significantly changed after PP-MP exposure, and NKCC1 expression significantly decreased
in all PP-MP treatment groups. The levels of CFTR and SLC26A6 significantly decreased
in the 8 μm and 70 μm PP-MP treatment groups at 10 mg/mL exposure concentration.
CFTR is a chloride channel located in the apical membrane of cells; it plays a key role in
regulating intestinal epithelial secretion, and its dysfunction leads to abnormal bacterial
colonization [96,100,101]. NKCC1 provides chlorine for apical secretion through CFTR by
mediating chloride uptake at the basolateral pole of intestinal epithelial cells [96]. SLC26 is
a conservative anion transporter family, and SLC26A6 has the most extensive exchange
function in the family; it mediates the transport of Cl−/HCO3

− and other anions, and
plays an important role in ion homeostasis and acid-base balance [102]. Therefore, our
results show that PP-MP exposure affects ion transport in the intestinal tract of mice.
This is suggestive of damage to the intestinal barrier and mucus layer, which may cause
pathogens and other harmful substances to enter blood circulation through the intestinal
wall [103–105]. PP particles likely enter intestinal epithelial cells through the damaged
intestinal barrier and deposit in the cells. This is consistent with the results observed using
electron microscopy in this study.

TLR4 is the key receptor of intestinal innate immunity. It is expressed on a variety
of cell surfaces of the intestinal mucosa and plays a key role in inducing inflammatory
responses and producing inflammatory mediators [106]. NF-κB participates in the expres-
sion and regulation of various genes, plays a role in inflammation and immune response,
and is a common transcription factor in the process of inflammation mediated by TLR4.
NF-κB is composed of five members: p50 (p105), p52 (p100), p65, RelB, and c-Rel. The
active form of p50 is formed by p105 proteolysis, and the signal transduction pathway
triggered by inflammatory stimulation usually leads to the release and nuclear translocation
of the NF-κB p50/p65 dimer [107–109]. In this study, there was no significant change in
p105 and p65 levels in the colon of all PP-MP treated mice. However, the levels of TLR4,
p50, and p-p65 significantly increased, and the level of IκBα significantly decreased. This
indicates that PP-MPs induce a colonic inflammatory response through the TLR4/NF-κB
signaling pathway. In addition, the level of IκBα was significantly lower in the 8 μm PP-MP
treatment group than in the 70 μm PP-MP treatment group at an exposure concentration of
10 mg/mL, while the levels of TLR4, p50, and p-p65 were significantly higher than those
in the 70 μm PP-MP treatment group. This indicates that 8 μm PP-MPs had a stronger
effect on inducing intestinal inflammation in mice. TLR4 recruited MyD88 and further
recruited the downstream kinase IRAK4 and the ubiquitin ligase TRAF6. This led to the
activation of TAK1 and IκB phosphorylation, thus releasing the NF-κB p50/p65 dimer. The
released dimer is translocated into the nucleus through modification processes such as
phosphorylation. This induces NF-κB-mediated transcription of inflammatory cytokines,
especially the increase in pro-inflammatory cytokines TNF-α, IL-1β, and IL-6 [109–113],
which is consistent with the changes in inflammatory factors in this study.

Disorder of the redox system and inflammation can promote apoptosis [114,115]. In
this study, colonic epithelial cells of mice showed mitochondrial damage after PP-MP
exposure, and TUNEL results suggested apoptosis of colonic epithelial cells. We further
detected proteins related to apoptosis in the mitochondrial pathway. PP-MP exposure
significantly upregulated the levels of the apoptosis markers Bax, cleaved caspase-9, and
cleaved caspase-3, and significantly downregulated the level of anti-apoptosis factor Bcl-2.
Intracellular stress induces intrinsic apoptosis which depends on the process of mito-
chondrial outer membrane permeabilization. The process is mediated by the Bcl-2 family
(including the pro-apoptotic proteins Bax and Bak and anti-apoptotic proteins Bcl-2, Bcl-xL,
and MCL-1), which can release the contents of the mitochondrial intermembrane space
(such as cytochrome C) into the cytoplasm. Cytochrome C interacts with apoptosis protease-
activating factor 1 (Apaf-1), thus activating caspase-9 and triggering the cascade activation
of caspase-3 and caspase-7 [116–120]. Caspase-3 is a terminal caspase protein that plays
a vital role in cell apoptosis [121]. NF-κB can also activate apoptosis by upregulating
the pro-apoptotic factor, Bax [122,123]. Further, we found that the levels of Bax, cleaved
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caspase-9, and cleaved caspase-3 were significantly higher in the 8 μm PP-MP treatment
group than in the 70 μm PP-MP treatment group at an exposure concentration of 10 mg/mL.
Moreover, the Bcl-2 level was significantly lower in the 8 μm PP-MP treatment group than
in the 70 μm PP-MP treatment group. This indicates that 8 μm PP-MPs had a stronger effect
on inducing colonic cell apoptosis in the mitochondrial pathway. These results indicate that
PP-MPs induce endogenous apoptosis in the colon via the Bax/Bcl-2/Caspase-3 signaling
pathway. Abnormal apoptosis in colonic cells (especially epithelial cells) causes damage
to the intestinal mucosal barrier by reducing barrier components, and may reduce mucus
production by reducing the number of goblet cells, which further destroys the intestinal
barrier.

The particle size of MPs may affect their biotoxicity. Our results indicated that the tox-
icity of 8 μm PP-MP to the colon of mice was stronger than that of 70 μm PP-MP, especially
at an exposure concentration of 10 mg/mL. Similarly, PP particles with diameters < 20 μm
(dispersed in DMSO) are more toxic to macrophages than PP particles with diameters of
25–200 μm [41]. Compared with larger particles, smaller particles have a higher bioreac-
tivity due to their higher specific surface area [60], which may be the main reason for the
stronger toxic effects of smaller PP particles. This means that 8 μm PP-MP is more likely
to come into contact with the intestine and exerts stronger irritation effects on the colon,
which may lead to more severe damage to the intestinal mucosal barrier. Moreover, smaller
MP particles may elicit stronger cytotoxicity compared to the larger particles due to the
different absorption modes of intestinal epithelial cells [124]. A comparison of the toxic
mechanism of MPs with different particle size scales requires further study. PS particles
(<10 μm) can activate p38, MAPK, Wnt/β-catenin, and other signaling pathways to exhibit
toxicity [125–128]. However, there are few reports on the mechanism of toxicity of larger
MP particles. In addition, with respect to the shape of MPs, the PP particles used in this
study were irregular. Irregular and regularly shaped (spherical) MPs, such as PP and PS,
can exert a variety of adverse effects by disrupting the balance of the redox system of
organisms [34,39,125,126]. Therefore, the contribution of the shape to the biotoxicity of PP
particles requires further research.

5. Conclusions

This study preliminarily demonstrated that oral ingestion of PP-MPs induces an
imbalance in the redox system and activates the TLR4/NF-κB inflammatory signal pathway
in the mouse intestine. This induces oxidative stress, inflammation, and apoptosis of
intestinal epithelial cells through the mitochondrial pathway, which leads to intestinal
barrier dysfunction and intestinal mucosal barrier damage, resulting in intestinal toxicity.
Smaller PP-MPs exhibit higher intestinal toxicity compared with larger PP-MPs at the same
exposure dose. This study provides data and reference for biological risk assessment of
exposure to environmental PP-MPs via oral ingestion in mice. The findings can further aid
in the formulation of pollution prevention and control policies for plastics.
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Abstract: Y-27632 inhibits Rho-associated coiled-coil-containing protein kinase (ROCK) signaling,
which is involved in various embryonic developmental processes, including angiogenesis, by control-
ling actin cytoskeleton assembly and cell contractility. Administration of Y-27632 impairs cytoskeletal
arrangements in post-gastrulation chick embryos, leading to ventral body wall defects (VBWDs).
Impaired angiogenesis has been hypothesized to contribute to VBWDs. ROCK is essential in transmit-
ting signals downstream of vascular endothelial growth factor (VEGF). VEGF-mediated angiogenesis
induces gene expressions and alterations of the actin cytoskeleton upon binding to VEGF receptors
(VEGFRs). The aim of this study was to investigate effects of Y-27632 on angiogenesis in post-
gastrulation chick embryos during early embryogenesis. After 60 h incubation, embryos in shell-less
culture were treated with Y-27632 or vehicle for controls. Y-27632-treated embryos showed reduced
extra-embryonic blood vessel formation with impaired circulation of the yolk sac, confirmed by fractal
analysis. Western blot confirmed impaired ROCK downstream signaling by decreased expression of
phosphorylated myosin light chain. Interestingly, RT-PCR demonstrated increased gene expression
of VEGF and VEGFR-2 1 h post-treatment. Protein levels of VEGF were higher in Y-27632-treated
embryos at 8 h following treatment, whereas no difference was seen in membranes. We hypothesize
that administration of Y-27632 impairs vessel formation during angiogenesis, which may contribute
to failure of VWB closure, causing VBWDs.

Keywords: Y-27632; ROCK; post-gastrulation; chick embryo; angiogenesis; ventral body wall defect

1. Introduction

Ventral body wall defects (VBWDs) are human birth anomalies reportedly present
in about one in two thousand live births, with omphalocele and gastroschisis being the
most frequently observed defects [1,2]. Although similar in that both conditions involve
herniation of abdominal contents through the ventral body wall, they differ in that om-
phalocele occurs through the base of the umbilical cord and has a peritoneal covering,
whereas gastroschisis occurs usually to the right of the umbilical cord and herniated organs
have no peritoneal covering. Both conditions are relatively infrequent, and their exact
causes are still unknown [3,4].

Omphalocele may occur as an isolated lesion but may also occur as part of various syn-
dromes associated with chromosomal abnormalities, such as Beckwith–Wiedmann, Down’s,
and Patau syndromes. The VBWD in omphalocele is thought to result from failure of the
midgut loop to rotate and return to the abdominal cavity from the physiological hernia of
early pregnancy. Incomplete development and migration of the lateral plate mesoderm to
form the body wall and incomplete differentiation and migration of somitic myotomes to
form precursors of the body wall musculature may also contribute. Gene mutations and
environmental factors have also been implicated in omphalocele formation [3,5–7].
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The etiology of gastroschisis is reported to be the result of a disruption to blood flow
to the developing body wall, leading to deficient development of the affected tissues and
subsequently to an intestinal herniation through the defect [3,8]. It has been hypothesized
that the abnormal involution of the right umbilical vein in particular leads to impaired
growth and viability of the surrounding mesenchyme, which then results in a defect of
skin formation in the periumbilical area and subsequent rupture of the intestines through
the defect [1,7,9,10]. In addition to the latter, Hoyme stated that disruption of the om-
phalomesenteric artery leads to infarction and necrosis at the base of the umbilical cord
with subsequent gut herniation [1,11]. The importance of the appropriate progress of angio-
genic activities during embryogenesis is highlighted in studies on vasoactive substances.
Mothers who took pseudoephedrines and/or analgesics (such as aspirin) during the first
trimester of pregnancy were more likely to have a baby that had gastroschisis [12]. Smok-
ing cigarettes during pregnancy is also linked with VBWDs during embryogenesis [13,14].
In addition, alcohol consumption and recreational drug use, particularly cocaine, has been
correlated with a higher incidence of gastroschisis [15].

Since a direct correlation between an environmental factor and body wall malforma-
tion is difficult to verify, animal models have been used to investigate hypotheses on the
relationship between VBWDs and angiogenesis. In chick embryos, the administration of the
heavy metal cadmium (Cd) following completion of gastrulation at Hamburger–Hamilton
(H-H) stages 16–17 altered the extra-embryonic vascular branching pattern, leading to
an isolated morphological defect, similar to human VBWDs [10,16–18]. Rho-associated
coiled-coil-containing protein kinase (ROCK) gene expression levels were found to be
significantly decreased in chick embryos following Cd exposure [19]. In other studies,
chick embryos exposed at H-H stages (16–17) to the pyridine derivative Y-27632 formed
abnormal somites and kinking in the lumbosacral region, findings similar to those ob-
served following Cd exposure. Y-27632 inhibits ROCK signaling, which is involved in
numerous developmental processes during embryogenesis, such as cell adhesion, motility,
proliferation, differentiation, and apoptosis, primarily by controlling actin cytoskeleton
assembly and cell contractility. Western blot analysis implicated interference with ROCK
downstream signaling in affected embryos. In addition, administration of Y-27632 at H-H
stages 16–17 has also been shown to lead to increased cell death in somites, the neural
tube, and ectoderm, as well as to alteration in cytoskeletal arrangements during early chick
embryogenesis, all of which may contribute to failure of ventral body wall closure at later
stages of development in chick embryos [20–22].

Angiogenesis, also known as neovascularization, is the process of new capillary
formation from pre-existing vessels through endothelial cell proliferation and stem cell
recruitment in combination with morphogenesis [23–25]. It must be distinguished from
vasculogenesis, a process whereby vessels are formed de novo from endothelial cell pre-
cursors termed angioblasts and which occurs in the extra- and intra-embryonic tissues of
embryos [26–29]. Angioblasts and newly formed endothelial cells proliferate, migrate, and
remodel into tubular structures and fuse into larger vessels to create an interconnecting
network of vessels referred to as the primitive capillary plexus [26,30]. With subsequent
growth, this primitive vascular plexus remodels during the process of angiogenesis [31].

Vascular endothelial growth factor (VEGF) is one of the most important factors regu-
lating angiogenesis during embryogenesis, including vascular endothelial cell migration,
proliferation, and permeability, as well as skeletal growth and reproductive functions [32].
The biological effects of VEGF are mediated through three structurally related VEGF recep-
tor tyrosine kinases (VEGFR), namely VEGFR-1, VEGFR-2, and VEGFR-3 [32–34]. VEGFR-2,
also designated as KDR or Flk1, is the predominant receptor in angiogenic signaling and
the main VEGF receptor on endothelial cells. It is essential for the regulation of endothelial
cell migration, proliferation, differentiation, and survival as well as vessel permeability
and dilatation [33,35]. VEGF induces hyperpermeability by enhancing nitric oxide (NO)
production, which promotes endothelial NO synthase (eNOS) and inducible NOS (iNOS)
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expression in endothelial cells [27]. In addition, VEGFR-2 expression levels are particularly
increased during embryonic vasculogenesis and angiogenesis [33].

Although the importance of VEGF signaling during angiogenesis is well established,
the precise morphogenetic processes involved in the organization of proliferating en-
dothelial cells into new blood vessels are still unknown. It has been hypothesized that
major mechanisms are controlled through cytoskeletal elements [23]. Therefore, the role of
members of the Rho family of small GTPases as key regulators of angiogenesis has been
investigated, as they modulate the extra-cellular matrix and regulate migration, prolif-
eration, morphogenesis, and survival through the cytoskeleton. RhoA signaling and its
downstream target Rho-associated coiled-coil-containing protein kinase (ROCK) have been
shown to play an important role in VEGF-dependent in vivo angiogenesis and in initial
steps of in vitro endothelial cord assembly [23,36–41]. ROCK proteins phosphorylate vari-
ous substrates, including myosin light chain (MLC) phosphatase and LIM-kinases (LIMK-1,
LIMK-2) and activate them to phosphorylate and inactivate cofilin-1 (also known as non-
muscle cofilin) or cofilin-2 (also known as muscle cofilin), which leads to inhibition of
actin depolymerization and collectively to a reorganization of the actin cytoskeleton [42,43].
It was supposed that Rho proteins are downstream targets of VEGF-mediated signaling,
leading to the activation of Rho GTPases after VEGF and VEGFR-2 stimulation, therefore
controlling endothelial cell migration [30,36,44,45]. However, several studies have identi-
fied a critical and selective role for RhoA in the regulation of endothelial cell assembly into
new blood vessels [23].

The research goal of the current study is largely mechanistic in terms of the effect of
Y-27632 on angiogenesis, focusing on the extra-embryonic vascular branching pattern in
chick embryos following exposure to teratogenic doses of this drug after 60 h incubation [21].
Moreover, the impact of Y-27632 on VEGF signaling during angiogenesis and different
genes involved in vessel formation are investigated. The incubation time of 60 h is a point in
chick development at which gastrulation is completing and body wall folding is initiating.
Embryos were explanted using the Dugan method [46], which permits staging prior to
treatment and intermittent review of the extra-embryonic vasculature and developmental
progress prior to harvesting embryos.

2. Materials and Methods

Fertilized unincubated eggs of the Ross strain were obtained from a commercial
hatchery (Enfield Broiler Breeders Ltd., Maynooth, Co. Kildare, Ireland). They were
incubated at 38 ◦C in a forced draught incubator (Shell Lab) at 65–75% humidity until they
reached the required stage for treatment. All animal studies were carried out in accordance
with the established protocols of the institute. After 60 h of incubation, chick embryos
that had attained H-H stages 16–17 (distinguished by the presence of the cervical flexure,
absent or rudimentary limb buds, blood islands below the tail region, and otherwise well-
developed extra-embryonic vasculature) were explanted into shell-less culture using a
method adapted from Dugan et al. [46].

This method for ex ovo culture of chick embryos involves the explantation of the
embryo and egg contents into a concave well made with cling film, which is attached to the
exterior of a polystyrene cup using an elastic band, ballasted with 30–50 mL of water. The
eggs were removed from the incubator and left for 5–10 min at room temperature, allowing
them to cool down and thus reducing the possibility of yolk rupture upon explantation.
Subsequently, the shells were cracked, and the contents were emptied into the wells with
the blastodisc facing upwards. Embryos were staged according to H-H parameters prior
to treatment. Using an adjustable volume pipette, 50 μL of 500 μM of ROCK inhibitor
Y-27632 (Y-27632 dihydrochloride, Sigma-Aldrich, cat.# Y0503, Ireland), diluted in chick
saline (0.72 g NaCl/100 mL dH2O), was applied to the center of the blastodisc, and entered
the embryo and vitelline membranes by a process of diffusion. Embryos in the control
group received 50 μL of vehicle. The dose of 500 μM of Y-27632 has recently been shown to
result in the optimal balance between mortality and morphological abnormality rate [21].
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Embryos were assessed 8 h, 24 h, 48 h, and 4 d after treatment at 60 h for development
of extra-embryonic vasculature. Measurements, including length of sinus terminalis (ST),
size of area vasculosa (AV), and absolute area vasculosa (AOV), as well as vascular index
(VI), were performed at 60 + 24 h to analyze differences in formation of extra-embryonic
membrane (EEM) vasculature between controls and Y-27632-treated embryos. Fractal
dimensions were calculated to study the branch morphological pattern of right- and left-
sided extra-embryonic vessels (D-right, D-left) at 4 d following treatment. Western blot
was performed at 8 h post-treatment to determine whether there was interference with
ROCK signaling. Relative gene expression levels of pro- and anti-angiogenic factors were
analyzed 1 h, 4 h, and 8 h (for membranes) or 24 h (for embryos) after treatment at 60 h.
Enzyme-Linked Immunosorbent Assays (ELISA) for VEGF and VEGFR-2 were performed
at 8 h and 24 h following treatment. These time points are summarized in Table 1.

Table 1. Overview of procedures as described in Material and Methods.

Procedure Time Point

Treatment at 60 h incubation

Gross Morphology of extra-embryonic vasculature 60 + 8 h, +24 h, +48 h, +4 d

Measurements of EEM 60 + 24 h

Fractal analysis 60 + 4 d

Western Blot 60 + 8 h

Real-Time qRT-PCR 60 + 1 h, +4 h, +8 h/+24 h

ELISA 60 + 8 h, +24 h

Embryos and EEM were harvested and assessed for stage development and anomalies
using the dissection microscope (Leica S6E). Dead embryos were recorded and discarded.
Surviving chicks were photographed with a single-lens reflex camera to study the forma-
tion of the extra-embryonic vasculature or with the stereomicroscope (Olympus SZX12)
attached to a camera port (Olympus DP70) to analyze the morphological development of
chick embryos.

2.1. Measurements of EEM Formation

Eight chick embryos were randomly collected from the control and experimental group
24 h following treatment at 60 h to measure parameters of the extra-embryonic vasculature
(Figure 1). The length of ST (in cm) and the size of the area vasculosa (AV, in cm2) were
determined using Fiji® image processing software. The size of AV was calculated by
subtracting the chick embryo expanse from the area surrounded by the ST. The area
occupied by vessels of the AV (AOV in cm2) was measured using Adobe Photoshop
(Adobe Systems). VI (in %) is expressed as the percentage of AOV from AV. Measurements
were performed double-blinded by two independent investigators.

2.2. Fractal Analysis

Eight chick embryos were randomly collected from the control and experimental
groups 4 d following treatment at 60 h to calculate fractal dimensions for the study of the
branch morphological pattern of right- and left-sided extra-embryonic vessels (Df-right,
Df-left). Fractal dimensions (Df) were determined using the “box counting” method in
Fiji® image processing software. An area covering extra-embryonic vessels on one side
was randomly selected at 1, 3, 5, 7, 9, and 11 o’clock and converted to an 8-bit image.
To analyze the pattern branching, the images were converted to dichotomic binarized
(black and white) pictures and skeletonized to obtain a final picture where each vessel
had the structural shape of the object, being in this case a direct representation of total
vessel length [47]. Df was then calculated from the skeletonized line tracing using the box
counting method [47–49]. The logarithm of the number of boxes containing a segment
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is plotted against the logarithm of the number of boxes covering the image, and the Df
is calculated from the slope by the computer program [50]. Fractal analysis is thought to
be more sensitive to changes in vascular patterns when skeletons rather than segmented
images are considered [47,50]. Measurements were performed double-blinded by two
independent investigators.

Figure 1. Parameters for measurement of extra-embryonic vasculature formation: sinus terminalis
(ST, in cm), size of area vasculosa (AV, in cm2), absolute area vasculosa (AOV, in cm2), and vascular
index (VI, in %). Scale bar 1 cm.

2.3. Western Blot

Western blot (WB) was performed in triplicate to confirm inhibition of ROCK down-
stream signaling in embryos and EEM at the teratogenic dose of 500 μM of Y-27632.

Following treatment with the aforementioned dose of Y-27632 or vehicle, chick em-
bryos were harvested and sonicated in 200 μL RIPA (Radio Immuno Precipitation Assay)
buffer. Protein concentrations were then measured using Bradford assays and diluted with
gel loading buffer Laemmli (Sigma-Aldrich, Arklow, Co. Wicklow, Ireland) prior to gel
loading. Proteins were separated electrophoretically in 10% SDS-PAGE and transferred
to a 0.45 μm nitrocellulose membrane by Western blotting for 90 min at 30 V. Following
blotting, the membranes were blocked in 3% BSA-0.05% Tween for 30 min to overnight.
Primary antibody (Anti-Myosin light chain (phospho S20), 1:500, Abcam, Cambridge, UK)
incubation was performed from 90 min to overnight. After extensive washing (four times
in PBS-0.05% Tween 20 or 4 h for overnight incubation) the membranes were incubated
with the secondary antibody (Anti-rabbit IgG, HRP-linked Antibody, 1:5000, Cell Signaling
Technology-Isis Ltd., Stillorgan, Co. Dublin, Ireland) for 90 min followed by extensive
washing. Protein detection was performed with PIERCE chemiluminescence kit (ECL West-
ern blotting substrate Thermo Scientific Pierce, Fisher Scientific, Dublin, Ireland). Beta-actin
(Anti-beta Actin antibody, Abcam, Cambridge, UK) was used to control for equal loading
and transfer of the samples. Bands of WB were quantified using densitometry.

2.4. Real-Time Quantitative Reverse Transcription Polymerase Chain Reaction (RT-PCR)

RT-PCR was performed to evaluate the relative mRNA levels of VEGF, VEGFR-2,
Ang-2, and iNOS in embryos and EEM harvested 1 h, 4 h, and 8 h (for membranes) or
24 h (for embryos) after treatment in shell-less culture. Total RNA of twelve embryos
(six controls, six Y-27632-treated embryos) at each time point was isolated using TRIzol®

reagent (Bio-Sciences, cat.# 15596-026, Dublin, Ireland) according to the recommended
protocol. For reverse transcription (RT), first strand cDNA was synthesized from RNA by
using a Transcriptor High Fidelity cDNA Synthesis Kit (Roche, cat.# 05091284001, UK).
Following RT at 44◦ for 60 min, polymerase chain reaction (PCR) was performed using a
LightCycler® 480 SYBR Green I Master (Roche, cat.# 04887352001, West Sussex, UK). After
an initial denaturation step of 5 min at 95◦, PCR cycles of amplification for target primers
were carried out. Relative levels of gene expression were measured using a LightCycler
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480 (Roche, UK). The relative mRNA expression levels of target genes were normalized
against the level of GAPDH gene expression in each sample. Experiments were carried
out in triplicate for each data point. The specific primer pairs used in this study are listed
in Table 2.

Table 2. Oligonucleotide primers used for RT-PCR analysis.

Gene Sequence (5′-3′)

GAPDH
Forward cctctctggcaaagtccaag
Reverse ggtcacgctcctggaagata

VEGF
Forward caattgagaccctggtggac
Reverse catcagaggcacacaggatg

VEGFR-2
Forward gacagtggcatggtgttcag
Reverse gtgcagtttccttcctggag

Ang-2
Forward ttgaggaggttggacagttc
Reverse gcttcatttccttcccagtc

iNOS
Forward agtggtatgctctgcctgct
Reverse ccagtcccattcttcttcc

2.5. Enzyme-Linked Immunosorbent Assay (ELISA)

In embryos and EEM harvested at 8 h and 24 h following treatment, ELISA was
performed in 16 embryos and membranes (eight from each group for one time point) using
ELISA kits for VEGF-A and VEGFR-2 (Chicken vascular endothelial growth factor A ELISA
Kit, MyBioSource, Inc., USA; Chicken VEGFR-2/KDR ELISA Kit, MyBioSource, Inc., San
Diego, CA, USA) according to the manufacturer’s protocol. Experiments were carried out
in technical duplicate for each data point. The results were measured at 450 nm using the
Synerg Mx microplate reader (BioTek, Winooski, VT, USA) immediately after adding the
stop solution.

2.6. Statistical Analysis

All numerical data are shown as number of cases (%) or mean (± standard deviation,
SD). Differences in extra-embryonic measurements, fractal dimension, densitometry, and
relative mRNA and protein expressions were compared using 2-tailed unpaired t test when
data were normally distributed or Mann–Whitney U test when data deviated from normal
distribution. A p-value < 0.05 was considered statistically significant.

3. Results

3.1. Effects of Y-27632 on Angiogenic Development

At 60 h incubation, embryos in both groups showed blood islands in the tail region
and well-developed extra-embryonic vasculature (Figure 2A–D).

At 8 h following treatment, all controls (n = 54) and 78 (97.5%) out of 80 Y-27632-
treated embryos were alive. In the experimental group, 67 (85.8%) embryos demonstrated
improper formation of extra-embryonic vasculature. Omphalomesenteric vessels appeared
to be disrupted or strikingly underdeveloped, and immaturely formed blood islands were
also evident in the tail region at 60 + 8 h in comparison to controls (Figure 3A,B). The thin
vitelline vessels and pre-existing vascular architecture appeared severely impaired in the
experimental group post-treatment (Figure 3C,D). Out of the 67 embryos with impaired
blood vessel formation, 60 (89.6%) revealed morphological abnormalities, such as improp-
erly developed somites in the tail region. A significant weight difference between controls
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and Y-27632-treated embryos with abnormalities in vessel formation and morphology was
also found (0.0151 g ± 0.003 g vs. 0.0067 g ± 0.002 g, p < 0.001) at 60 + 8 h.

Figure 2. Development of extra-embryonic vasculature of chick embryos prior to treatment at 60 h
incubation. Well-developed extra-embryonic vasculature (A,C; arrows) and blood islands in the tail
region (B,D; asterisks) were evident prior to treatment. Control embryos were treated with vehicle
(A,B), and embryos in the experimental group (C,D) received 500 μM of Y-27632. Scale bars 200 μm.

 

Figure 3. Development of extra-embryonic vasculature of control embryo (A,B) and Y-27632 (500 μM)-
treated embryo (C,D) at 8 h following treatment at 60 h. In the experimental group, the majority of
embryos revealed improper formation of omphalomesenteric vessels (C, arrow) and vitelline vessels
in the tail region (D, asterisks) when compared with controls (A,B). Scale bars 200 μm.
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For the analysis of extra-embryonic angiogenesis at later stages of development,
38 embryos were treated with vehicle for the control group and 69 embryos with 500 μM
of Y-27632 for the experimental group at 60 h incubation. Following 24 h, 48 h, and 4 d in
the incubator, embryos were assessed for the formation of extra-embryonic vasculature at
each time point. Prior to treatment, embryos in both groups demonstrated well-developed
extra-embryonic vasculature and blood islands in the tail region (Figure 4A,B). After 24 h,
36 (94.7%) controls and 43 (62.3%) Y-27632-treated embryos were alive at examination.
In controls, 33 (91.7%) embryos showed normal extra-embryonic vasculature. In contrast,
23 (53.5%) chick embryos in the experimental group showed reduced extra-embryonic
blood vessel formation with impaired circulation of the yolk sac (Figure 4D,F,H) when
compared with controls (Figure 4C,E,G) during the time period of investigation. Out of
these 23 embryos, morphological abnormalities in the somites and the neural tube were
detected in 21 (91.3%) embryos. A significant weight difference between controls and
Y-27632-treated embryos with abnormalities in vessel formation and morphology was also
found (0.0263 g ± 0.005 g vs. 0.0185 g ± 0.0052 g, p < 0.05) at 60 + 24 h.

Figure 4. Cont.
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Figure 4. Development extra-embryonic vasculature of control embryo (A,C,E,G) and Y-27632 (500 μM)-
treated embryo (B,D,F,H) at 60 h ((A,B)–prior to treatment), 60 + 24 h (C,D), 60 + 48 h (E,F), and
60 h + 4 d (G,H). Following administration of agents, embryos in the experimental group revealed
strikingly impaired neovascularization with reduced formation of blood vessels and reduced cir-
culation of the yolk sac when compared with controls at 24 h (C,D), 48 h (E,F), and 4 d (G,H)
post-treatment. Scale bars 0.5 cm.

3.2. Measurements of EEM Formation

The mean length of ST was 9.7 cm (±1.1) in controls vs. 8 cm (±0.6) in Y-27632-treated
embryos (p < 0.05, Figure 5A). The mean size of AV was 7.1 cm2 (± 1.1) vs. 5 cm2 (±1.0)
(p < 0.05, Figure 5B). There was also a significant difference in the mean AOV between
the two groups (6 cm2 (±0.4) vs. 3.6 cm2 (±0.6), p < 0.05) (Figure 5C). The mean VI was
85.3% (±10.0) in controls compared to 72.5% (± 12.2) in Y-27632-treated embryos (p < 0.05,
Figure 5D).

Figure 5. Measurements of EEM formation at 60 + 24 h. There was a significant difference in the mean
length of ST (A, ** p = 0.001), mean size of AV (B, *** p < 0.001), mean size of AOV (C, *** p < 0.001),
and mean VI (D, * p < 0.05) between controls and Y-27632 (500 μM)-treated embryos. The vertical bars
represent the SD. y-axis: Length of ST in cm (A), Size of AV and AOV in cm2 (B,C), and Expression of
VI in % (D).
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3.3. Fractal Analysis

At examination, controls embryos showed a more complex branching pattern from
60 h incubation (Figure 6A) to 4 d following treatment (Figure 6B–D) in comparison to
a paucity of vessels in Y-27632-treated embryos (Figure 6E–H) during the time period of
investigation. A significant difference in the mean Df-left was found between controls and
Y-27632-treated embryos (1.232 ± 0.035 vs. 1.064 ± 0.043, p < 0.05) (Figure 6I). The mean
Df-right was also significantly lower in control embryos compared with embryos in the
experimental group (1.227 ± 0.044 vs. 1.077 ± 0.029, p < 0.05) (Figure 6J).

Figure 6. Fractal analysis of control embryo (A–D) and Y-27632 (500 μM)-treated embryo (E–H) with
Df-left (I) and Df-right (J) at 60 h + 4 d. Prior to treatment, embryos in both groups showed blood
islands in the tail region and well-developed extra-embryonic vasculature (A,E). Control embryos
developed a more complex branching pattern (B–D) in comparison to embryos in the experimental
group (F–H). Df-left was significantly lower in Y-27632 (500 μM)-treated embryos in comparison to
controls (I, *** p < 0.001). There was also a significant difference in Df-right between controls and
embryos in the experimental group (J, *** p < 0.001). The color image version (B,F). The segmented
version (C,G). The skeletonized version (D,H). The vertical bars represent the SD. y-axis: Fractal
dimension (Df-left, (I); Df-right, (J)). Scale bars: 0.5 cm.

3.4. Western Blot

Western blot analysis confirmed Y-27632 interference with ROCK downstream signal-
ing in embryos treated with the teratogenic dose of 500 μM of Y-27632, with significant
reduction in the expression of phosphorylated MLC (p-MLC) at 8 h following treatment
(p < 0.05, Figure 7A). In addition, ROCK signaling was also impaired in EEM of Y-27632-
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treated embryos, leading to a significant reduction in the expression of p-MLC at the same
time point (p < 0.05, Figure 7B).

 

Figure 7. Embryos treated with vehicle (controls, A) or Y-27632 (500 μM, A) and EEM of controls
(B) or Y-27632-treated embryos (B) were subjected to Western blot at 60 + 8 h to detect phosphorylated
MLC. The results show that the amount of phosphorylated MLC was significantly reduced in Y-27632-
treated embryos in comparison to controls (A, ** p < 0.001 and B, * p < 0.05). The vertical bars
represent the SD. y-axis: Densitometry (grey levels, arbitrary units).

3.5. RT-PCR of VEGF and VEGFR-2

Effects of Y-27632 on VEGF and VEGFR-2 signaling were analyzed at 1 h, 4 h, and 8 h
(for membranes) or 24 h (for embryos) following treatment at 60 h incubation.

In Y-27632-treated embryos, relative mRNA expression levels of VEGF were signifi-
cantly higher 1 h post-treatment in comparison to controls (0.123 ± 0.03 vs. 0.083 ± 0.011,
p < 0.05) (Figure 8A). However, gene expression levels of VEGF were not different at 4 h
and 24 h following treatment between controls and embryos treated with the inhibitor
(p > 0.05, Figure 8B,C). The relative mRNA expression levels of VEGF were also signif-
icantly higher at 60 + 1 h in EEM of Y-27632-treated embryos compared with controls
(1.159 ± 0.339 vs. 0.673 ± 0.135, p < 0.05) (Figure 8D). Gene expression levels in EEM at 4 h
and 8 h following treatment were not different between the control and experimental group
(p > 0.05, Figure 8E,F).
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Figure 8. The relative mRNA expression levels of VEGF (A–F) and VEGFR-2 (G–L) in controls and
embryos treated with Y-27632 (500 μM) at 60 h incubation. Embryos in (A–C,G–I), EEM in (D,F,J–L).
The expression levels of VEGF and VEGFR-2 at 60 + 1 h were significantly higher in the treatment
group when compared to controls (A,G, * p < 0.05 and D,J, ** p = 0.009). The expression levels of
VEGF and VEGFR-2 at other time points (B,C,E,F,H,I,K,L) were not different between controls and
Y-27632-treated embryos (# p > 0.05). The vertical bars represent the SD. y-axis: Relative mRNA
Expression Levels.

Relative mRNA expression levels of VEGFR-2 were also significantly higher in Y-27632-
treated embryos 1 h post-treatment in comparison to controls (0.692 ± 0.155 vs. 0.458 ± 0.127,
p < 0.05) (Figure 8G). At 4 h and 24 h following treatment, gene expression levels of
VEGFR-2 were not different between controls and embryos treated with the inhibitor
(p > 0.05, Figure 8H,I). In EEM of Y-27632-treated embryos, the relative mRNA expression
levels of VEGFR-2 were significantly higher at 60 + 1 h as well compared with controls
(0.324 ± 0.109 vs. 0.147 ± 0.026, p < 0.05) (Figure 8J). In EEM at 4 h and 8 h following
treatment, gene expression levels were not different between the control and experimental
group (p > 0.05, Figure 8K,L).
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3.6. Protein Expression of VEGF and VEGFR-2 (ELISA)

Protein expression of VEGF and VEGFR-2 in embryos and membranes was analyzed
8 h and 24 h following treatment at 60 h incubation with vehicle for the control group or
500 μM of Y-27632 for the experimental group.

The protein levels of VEGF were significantly higher in embryos in the experimental
group when compared with controls at 60 + 8 h (973.0 ± 120.1 vs. 331.0 ± 52.5, p < 0.05)
(Figure 9A). However, there was no difference between embryos and EEM of controls and
Y-27632-treated embryos at other time points (p > 0.05, Figure 9B–H).

Figure 9. Protein expression of VEGF and VEGFR-2 in embryos (A,C,E,G) and EEM (B,D,F,H) of the
control group and Y-27632 (500 μM) treatment group at 60 + 8 h and 60 + 24 h. Protein expression
of VEGF was significantly higher in Y-27632-treated embryos in comparison to controls at 60 + 8 h
(A, ** p = 0.001). Protein levels of VEGF and VEGFR-2 were not different between embryos and
membranes of the control and treatment group at other time points (B–H, # p > 0.05). The vertical
bars represent the SD. y-axis: Protein Expression Levels (pg/mL).
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3.7. RT-PCR of Ang-2 and iNOS

Gene expression of Ang-2 and iNOS was analyzed at 60 + 1 h (for Ang-2 and iNOS)
and 60 + 8 h (for iNOS) to investigate their contribution in angiogenesis in chick embryos
treated with vehicle or 500 μM of ROCK inhibitor Y-27632 at 60 h incubation.

The relative mRNA expression levels of Ang-2 at 60 + 1 h were not different between
controls and embryos in the experimental group (p > 0.05, Figure 10A) but were significantly
upregulated in EEM of Y-27632-treated embryos at 1 h following treatment in comparison
with controls (0.160 ± 0.021 vs. 0.128 ± 0.017, p < 0.05) (Figure 10B).

 

Figure 10. The relative mRNA expression levels of Ang-2 in embryos (A) and EEM (B) of the control
group and Y-27632 (500 μM) treatment group at 60 + 1 h. The expression levels of Ang-2 at 60 + 1 h
were not different between controls and Y-27632-treated embryos (A, # p > 0.05) but were significantly
higher in membranes of the treatment group when compared to the control group (B, * p < 0.05). The
vertical bars represent the SD. y-axis: Relative mRNA Expression Levels.

Gene expression levels of iNOS were significantly higher in Y-27632-treated embryos
compared with controls at 60 + 1 h (0.202 ± 0.056 vs. 0.132 ± 0.075, p < 0.05) (Figure 11A),
whereas relative mRNA expression of iNOS was significantly lower in embryos in the
experimental group in comparison with controls at 60 + 8 h (0.316 ± 0.029 vs. 0.434 ± 0.068,
p < 0.05) (Figure 11B). The relative mRNA expression levels of iNOS were not different in
membranes of the control group and treatment group at 1 h and 8 h following treatment at
60 h incubation (p > 0.05, Figure 11C,D).

Figure 11. Cont.
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Figure 11. The relative mRNA expression levels of iNOS in embryos (A,B) and EEM (C,D) of the
control group and Y-27632 (500 μM) treatment group at 60 + 1 h and 60 + 8 h. The expression levels
of iNOS at 60 + 1 h were significantly higher in the treatment group when compared to controls
(C, * p < 0.05). The expression levels of iNOS at 60 + 8 h were significantly lower in the treatment
group when compared to controls (D, ** p = 0.004). The expression levels of iNOS were not different
between membranes of the control and treatment group at 60 + 1 h and 60 + 8 h (C,D, # p > 0.05). The
vertical bars represent the SD. y-axis: Relative mRNA Expression Levels.

4. Discussion

The major finding of this study is that the exposure of post-gastrulation chick embryos
to ROCK inhibitor Y-27632 at 60 h incubation significantly impaired neovascularization,
with reduced formation of extra-embryonic blood vessels and reduced circulation of the
yolk sac. At very early stages of embryogenesis (60 + 8 h), Y-27632-treated embryos already
revealed improper formation of the omphalomesenteric and vitelline vessels in the tail
region of the yolk sac compared to controls. Although the formation of extra-embryonic
vasculature could be observed in the experimental group throughout development, the
process of neovascularization was significantly diminished throughout the period of in-
vestigation as confirmed by measurements of ST, the AV, the AOV, and the VI, in addition
to fractal analysis at a more advanced developmental stage. Furthermore, the inhibition
of ROCK downstream signaling was demonstrated in membranes and embryos when the
analysis of the effects on the extra-embryonic angiogenesis and morphology was conducted
at 8 h following treatment, as shown by the decreased expression of p-MLC in both tissues.
Finally, Y-27632 caused an increased gene expression of VEGF and VEGFR-2 in embryos
and membranes at 1 h post-treatment, whereas a significant difference was not seen at
later time points. Protein levels of VEGF were higher in Y-27632-treated embryos at 8 h
following treatment, whereas no difference was seen in membranes at that time point.
Protein expression of VEGF at 60 + 24 h and of VEGFR-2 at 60 + 8 h and 60 + 24 h was not
different between embryos and membranes of the control and treatment groups.

Impaired angiogenesis has been connected with multiple pathological conditions in
humans, including failure of ventral body wall closure. It has been hypothesized that
gastroschisis, one of the most frequently observed VBWDs, results from the premature
atrophy or abnormal persistence of the right umbilical vein causing mesenchymal damage
to the abdominal wall and intestinal herniation. Alternatively, it has been proposed that
the disruption of the right omphalomesenteric artery can lead to the development of
gastroschisis [51,52].

VEGF is the crucial regulatory growth factor orchestrating vascular development
during embryogenesis (vasculogenesis) as well as blood vessel formation (angiogenesis) in
later stages of development [53,54]. During angiogenesis, VEGF is involved in the main
processes of neovascularization, mainly by regulation of gene expression and alterations of
the actin cytoskeleton [55,56]. The latter, in association with cell–matrix adhesion, are the

217



Toxics 2023, 11, 134

key functions in endothelial cell migration in angiogenesis [56]. The biological functions of
VEGF are exerted upon binding to three receptor tyrosine kinases, known as VEGFR [35,54].
VEGFR-2, the main receptor on endothelial cells, is predominantly described as the leading
receptor in angiogenic signaling [35]. Mice deficient in VEGFR-2 have been reported to die
in utero at 8.5 days post-coitum from early defects in the development of hematopoietic
and endothelial cells. The authors demonstrated the absence of yolk sac blood islands
and organized blood vessels as well as reduction in hematopoietic progenitors [57,58].
This phenotype is similar to that of VEGFA−/− mice revealing impaired angiogenesis
and blood island formation leading to developmental anomalies [59,60]. Therefore, it
has been agreed that VEGFR-2 is the major transducer of the mitogenic, angiogenic, and
permeability-enhancing effects of VEGF on endothelial cell differentiation, proliferation,
migration, and formation of the vascular tube [32,34,35].

The role of the Rho family of small GTPases as key regulators of angiogenesis has
been well established, and it also plays an essential role in transmitting signals downstream
of VEGF [41,61,62]. Specifically, Rho proteins appear to be direct downstream targets of
VEGF-mediated endothelial cell signaling, leading to activation of RhoA, Rac1, and Cdc42
within several minutes after VEGF stimulation [36,44,45]. Following this rapid increase,
Rho proteins return to basal levels within 30 min, which emphasizes their importance
during very early stages of VEGF-controlled blood vessel formation [36]. In chick embryos,
Uchida et al. have shown that spontaneous angiogenesis in vivo is dependent on RhoA
using a chick chorioallantoic membrane (CAM) assay [63]. In particular, the RhoA/ROCK
pathway is crucial for the fundamental processes in angiogenesis, inducing capillary
permeability, migration, capillary cord formation, and the proliferation of endothelial cells,
mainly by its effects on the actin cytoskeleton and cell contractility [23,55]. Due to the
fact that this pathway is involved in the cytoskeletal function of the vasculature, it has
therefore been suggested that the RhoA/ROCK signaling is also related to vascular diseases.
However, studies investigating the function of ROCK during angiogenesis and vascular
remodeling using inhibitors such as Y-27632 or H-1152 have shown contradictory and
inconclusive results so far [38,64].

VEGF-induced endothelial cell migration has been shown to involve dynamic, co-
ordinate changes in cell adhesion, signal transduction, and cytoskeletal dynamics and
organization [30]. Van NieuwAmerongen et al. have studied the effects of VEGF on
the endothelial cytoskeleton in human foreskin microvascular and human umbilical vein
endothelial cells. Stimulation of cells with VEGF was described to cause an increase in
cytoplasmic F-actin staining and stress fiber (SF) formation, accompanied by the loss of
peripheral F-actin and an increase in active RhoA and its recruitment to the cell membrane.
Treatment with Y-27632 disrupted the endothelial F-actin cytoskeleton and VEGF-induced
SF formation. The authors demonstrated that the inhibitor abolished VEGF-enhanced
endothelial cell migration and reduced the mean tube length of the capillary-like tubular
structure formed in response to VEGF and TNF-α in a dose-dependent manner [56]. Similar
results were also demonstrated by Hoang et al. investigating RhoA function during neovas-
cularization in a model of mouse skin angiogenesis using VEGF transfectants. Bryan et al.
analyzed the role of RhoA/ROCK signaling in various essential processes during angiogen-
esis, such as endothelial cell migration, survival, and cell permeability. Using retinal explant
cultures from bovine eyes, the authors demonstrated that VEGF strongly promotes vessel
outgrowth, which was significantly disrupted by the addition of Y-27632. ROCK inhibition
was shown to reduce VEGF-induced permeability, but it did not affect VEGF-mediated
proliferation, which is similar to findings presented by Hoang et al. The compound also
impaired VEGF-mediated tube morphogenesis, leading to an improper vascular network
consisting of flattened multicellular structures [53].

All in all, these aforementioned results obtained from various cell types suggest
that ROCK signaling is heavily involved in numerous and fundamental mechanisms
during angiogenesis, resulting in immature or reduced blood vessel formation following
treatment with agents inhibiting the ROCK pathway, which is in agreement with our
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findings. Treatment of chick embryos at 60 h incubation with ROCK inhibitor Y-27632
significantly decreased the formation and amount of blood vessels in the extra-embryonic
membranes throughout the embryonic development. At 60 + 8 h, the most striking effects on
the vasculature could be seen in the experimental group, revealing impaired development
of omphalomesenteric and vitelline vessels in the tail region. During the investigation
period, vessel formation appeared to proceed but was strongly delayed and decreased
compared to the control group, as confirmed by calculating the length of ST and areas of
vasculature as wells as fractal analysis [26].

VEGF-induced migration of endothelial cells involves actin reorganization. Beside
phosphorylation of MLC, VEGF has been stated to regulate the phosphorylation and activity
of focal adhesion kinase (FAK) as well, which is important for focal adhesion assembly
and disassembly as well as actin organization [35,65]. Hence, VEGF in association with
paxillin and talin or vinculin leads to the recruitment of FAK to focal adhesions. VEGFR-2
also transduces its mitogenic functions by influencing FAK, thus regulating cytoskeleton
organization and migration [35]. Kroll et al. have recently provided important in vivo
evidence for the interaction of VEGF and VEGFR-2 during angiogenesis and have even
postulated a potentiating effect of Rho kinase inhibition using H-1152 on VEGF-driven
retinal neovascularization and sprouting angiogenesis in human umbilical vein endothelial
cells. Pharmacological inhibition as well as expression silencing of ROCK I and ROCK II in
endothelial cells activated VEGF-stimulated activation of VEGFR-2, which is necessary to
induce VEGF-induced migration, proliferation, NO release, and permeability. The H-1152-
driven increase in blood vessel growth has been stated to be completely dependent on
VEGFR-2 activation, suggesting a negative feedback loop in which VEGF-induced ROCK
I and ROCK II activation counteracts VEGFR-2 activation [64]. Van NieuwAmerongen
at et al. have seized on the Kroll conclusion and postulated a dual role for ROCK in the
regulation of angiogenesis (Figure 12) [38].

 
Figure 12. Dual role of ROCK signaling in regulation of angiogenesis; adapted from [38].

Although we recorded a significant decrease in blood vessel formation following
ROCK inhibition in our experiments, which is contrary to the previously mentioned results,
we still wanted to investigate the potential effects of Y-27632 on VEGF and VEGFR-2 ac-
tivity based on Kroll’s assumption [64]. At 60 + 1 h, gene expression levels of VEGF and
VEGFR-2 were significantly upregulated in membranes and embryos in the experimental
group, which is in line with the negative feedback loop presented by Kroll et al. This
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may reflect an early inhibitory effect of Y-27632 on ROCK signaling in angiogenesis and
subsequently explain the activating effect on VEGFR-2 and VEGF mRNA levels. Y-27632
seems to have a very rapid inhibiting effect on vessel formation during angiogenesis when
compared to the effect on morphologic development in the embryos themselves. The
ROCK inhibitor may affect neovascularization soon after administration, hence disrupting
the underlying processes and mechanism necessary for further vessel formation, which
may then lead to the reduced extra-embryonic vascularization at later stages of embryonic
development [66,67]. It has been shown that during development, the first hematopoietic
cells arise in the yolk sac from mesodermal structures and differentiate into endothelial
and blood cells, forming blood islands [26,68]. Therefore, the effects of ROCK inhibitor
Y-27632 on the extra-embryonic membranes may also contribute to abnormalities in the
morphology of the embryos, as described by the authors in recent studies [20–22]. The
impact and chronology of this improper supply of nutrients provided by the yolk sac may
be highlighted by the early effect of Y-27632 on the extra-embryonic vasculature recorded
at 60 + 1 h and the delayed morphological anomalies seen at 60 + 8 h. The mRNA levels of
VEGF and VEGFR-2 were not different at 4 h and 8 h in Y-27632-treated membranes and
embryos. This may indicate an early compensatory effect in the experimental group. To
further examine possible post-translational effects of Y-27632 on VEGF and VEGFR-2 in
later stages of development, we studied protein levels in membranes and embryos at 8 and
24 h following the administration of vehicle or the inhibitor. Protein expression of VEGF
was only higher in Y-27632-treated embryos at 60 + 8 h, which may reflect a compensatory
effect in protein levels following ROCK inhibition. However, no significant differences in
protein expression of VEGF and VEGFR-2 were recorded in the remaining ELISA proce-
dures. Hyvelin et al. have found similar results in their study investigating the role of the
RhoA/ROCK pathway in the development of chronic hypoxia-induced pulmonary hyper-
tension and the associated structural changes in the pulmonary vasculature. Inhibition of
ROCK signaling with Y-27632 abrogated the development of hypoxic pulmonary hyperten-
sion by suppressing sustained pulmonary vasoconstriction and hypoxia-induced vascular
remodeling revealing improperly formed intra-acinar vessels. Moreover, the compound
did not alter the expression of the pro-angiogenic genes VEGF-A and Ang-1 after one week
of hypoxia. However, the authors did suggest that the expression of these genes might
have been affected by Y-27632 at earlier time points, thus inhibiting angiogenesis [69].

We also tested other genes which might have influenced the impaired vessel formation
in treated embryos. Ang-2 is a complex regulator of angiogenesis that plays a central
role in both vessel sprouting and vessel regression. It is almost exclusively produced by
endothelial cells and functions mainly as a vessel-destabilizing molecule by regulating the
vessel maturation and remodeling of Ang-1/Tie2 in an antagonistic manner [70–72]. It has
been demonstrated in previous studies that Ang-2 prevented the formation of capillary-like
structures and impaired angiogenesis in a CAM chick model [71]. However, in contrast,
Ang-2 has also been shown to phosphorylate the integrin adaptor protein FAK inducing
sprouting angiogenesis in a Tie2-independent manner [70]. Maisonpierre et al. generated
transgenic mice overexpressing Ang-2 in their blood vessels and found that the animals
were smaller and exhibited an abnormal vascular phenotype. The authors suggested
that this factor may play an early role at the sites of vessel invasion [72]. We found an
upregulation of Ang-2 at 60 + 1 h in membranes of Y-27632-treated embryos and found
that treated embryos were smaller and exhibited abnormalities. The upregulation may
contribute to the disruption of vascular formation by blocking the Ang-1/Tie2 signaling
axis or may reflect a compensatory effect, as it has been stated that in the presence of
abundant VEGF, as seen at 60 + 1 h in our study, Ang-2 can promote vessel sprouting by
inhibiting a stabilizing Ang-1 signal [73].

Next, NO is known to play an integral role in the development and maintenance of
the microvascular network, including angiogenesis and vascular permeability [38,74,75].
VEGF enhances NO production and promotes eNOS and iNOS expression in endothelial
cells in vitro [74]. Inhibition of ROCK, in turn, has been described to induce increased
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expression and activity of eNOS [38,64]. Fukumura et al. have analyzed the relative
contribution of eNOS and iNOS in VEGF-induced angiogenesis and vascular permeability
and found that eNOS plays the predominant role in these processes. Nevertheless, the
authors have postulated that iNOS selective inhibitor and iNOS gene deletion slowed
angiogenesis in VEGF-containing gels, although it was less effective than eNOS gene
deletion. Activation of VEGFR-2 has also been shown to lead to an upregulation of iNOS
protein in human umbilical vein endothelial cells [76]. The iNOS gene expression was
not altered in membranes treated with Y-27632 compared with controls in our analyses,
whereas an upregulation of iNOS mRNA levels was noted at 60 + 1 h in treated embryos,
which seems to be associated with the noted upregulation of VEGF and VEGFR-2 at that
time point. In contrast, gene expression levels of iNOS decreased in the experimental group
during development and were significantly different compared with controls at 60 + 8 h,
possibly contributing to the delayed angiogenesis as a consequence.

As already mentioned, endothelial cell migration involves cytoskeletal dynamics and
organization, mechanisms to which normal ROCK signaling is fundamental. ROCK regu-
lates actomyosin contractility, an essential process in endothelial cell migration, by direct
phosphorylation of MLC and phosphorylation and inactivation of myosin phosphatase,
thereby contributing to the formation of multicellular, precapillary cord-like structures
arranged by endothelial cells [26,53]. The effects of Y-27632 on the cytoskeletal arrange-
ments in chick embryos have recently been shown by the authors to lead to the failure of
ventral body wall closure at later stages of development [20]. In the present study, Western
blot analysis showed inhibition of ROCK downstream signaling in both membranes and
embryonic tissue in the experimental group at 8 h following treatment with Y-27632, with
significantly decreased expression of phosphorylated MLC when compared with controls.

Taken together, the major impact of ROCK inhibitor Y-27632 in angiogenesis seems to
be on the cell migration of endothelial cells. The impaired regulation of the cytoskeletal
rearrangement may affect and delay the process of organization of endothelial cells into
capillary structures, subsequently leading to the attenuated vascularization observed in
the experimental group. The vascular defect in the yolk sac and regression of pre-existing
vessels noted at very early stages during development impede the maintenance of proper
circulation, possibly causing developmental delays and morphological abnormalities in
Y-27632-treated embryos, all of which were noted in follow-up investigations at more
advanced stages of development [21].

5. Conclusions

In conclusion, our experiments have shown that exposure to ROCK inhibitor Y-27632
in the critical period of ventral body wall formation in chick embryos strikingly impairs
extra-embryonic angiogenesis, leading to delayed and reduced vessel formation in further
development. We speculate that Y-27632 also disrupts the rearrangement process of the
cytoskeleton required for VEGF/VEGFR-2-induced endothelial cell migration to establish
the regular vasculature in membranes and embryos. Hence, defects in vascularization may
contribute to morphological abnormalities during early development and subsequently
to a deficient formation of the embryonic tissue, which may result in the rupture of the
body wall and intestinal herniation through the defect. Further work to determine the
contribution of ROCK signaling or its inhibition in angiogenic processes will be subject of
future studies.

Author Contributions: Conceptualization: J.W.D. and J.T.; methodology: J.W.D., J.-H.G., A.K.G.
and J.T.; validation: P.P., J.-H.G. and J.T.; formal analysis: J.W.D.; investigation: J.W.D.; resources:
J.W.D. and A.K.G.; data curation: P.P. and J.T.; writing—original draft preparation: J.W.D.; writing—
review and editing: P.P. and J.T.; visualization: J.W.D. and A.K.G.; supervision: P.P. and J.T.; project
administration: P.P. and J.T.; funding acquisition: P.P. and J.T. All authors have read and agreed to the
published version of the manuscript.

221



Toxics 2023, 11, 134

Funding: This work was funded by the Children’s and Medical Research Foundation, Our Lady’s
Children’s Hospital, Crumlin [E/12/1].

Institutional Review Board Statement: Not applicable for this study.

Informed Consent Statement: Not applicable.

Data Availability Statement: Not applicable.

Conflicts of Interest: The authors declare no conflict of interest.

References

1. Feldkamp, M.L.; Carey, J.C.; Sadler, T.W. Development of gastroschisis: Review of hypotheses, a novel hypothesis, and implica-
tions for research. Am. J. Med. Genet. A 2007, 143A, 639–652. [CrossRef] [PubMed]

2. Williams, T. Animal models of ventral body wall closure defects: A personal perspective on gastroschisis. Am. J. Med. Genet. C
Semin. Med. Genet. 2008, 148C, 186–191. [CrossRef] [PubMed]

3. Pechriggl, E.; Blumer, M.; Tubbs, R.S.; Olewnik, L.; Konschake, M.; Fortelny, R.; Stofferin, H.; Honis, H.R.; Quinones, S.;
Maranillo, E.; et al. Embryology of the Abdominal Wall and Associated Malformations—A Review. Front. Surg. 2022, 9, 891896.
[CrossRef]

4. Revels, J.W.; Wang, S.S.; Nasrullah, A.; Revzin, M.; Iyer, R.S.; Deutsch, G.; Katz, D.S.; Moshiri, M. An Algorithmic Approach to
Complex Fetal Abdominal Wall Defects. AJR Am. J. Roentgenol. 2020, 214, 218–231. [CrossRef]

5. Sadler, T.W. Embryology of neural tube development. Am. J. Med. Genet. C Semin. Med. Genet. 2005, 135C, 2–8. [CrossRef]
[PubMed]

6. Sadler, T.W. The embryologic origin of ventral body wall defects. Semin. Pediatr. Surg. 2010, 19, 209–214. [CrossRef] [PubMed]
7. Sadler, T.W.; Feldkamp, M.L. The embryology of body wall closure: Relevance to gastroschisis and other ventral body wall

defects. Am. J. Med. Genet. C Semin. Med. Genet. 2008, 148C, 180–185. [CrossRef] [PubMed]
8. Brewer, S.; Williams, T. Finally, a sense of closure? Animal models of human ventral body wall defects. Bioessays 2004, 26,

1307–1321. [CrossRef]
9. deVries, P.A. The pathogenesis of gastroschisis and omphalocele. J. Pediatr. Surg. 1980, 15, 245–251. [CrossRef]
10. Ledbetter, D.J. Congenital abdominal wall defects and reconstruction in pediatric surgery: Gastroschisis and omphalocele.

Surg. Clin. N. Am. 2012, 92, 713–727. [CrossRef]
11. Hoyme, H.E.; Jones, M.C.; Jones, K.L. Gastroschisis: Abdominal wall disruption secondary to early gestational interruption of the

omphalomesenteric artery. Semin. Perinatol. 1983, 7, 294–298. [PubMed]
12. Torfs, C.P.; Katz, E.A.; Bateson, T.F.; Lam, P.K.; Curry, C.J. Maternal medications and environmental exposures as risk factors for

gastroschisis. Teratology 1996, 54, 84–92. [CrossRef]
13. Haddow, J.E.; Palomaki, G.E.; Holman, M.S. Young maternal age and smoking during pregnancy as risk factors for gastroschisis.

Teratology 1993, 47, 225–228. [CrossRef]
14. Haustein, K.O. Cigarette smoking, nicotine and pregnancy. Int. J. Clin. Pharmacol. Ther. 1999, 37, 417–427. [PubMed]
15. Torfs, C.P.; Velie, E.M.; Oechsli, F.W.; Bateson, T.F.; Curry, C.J. A population-based study of gastroschisis: Demographic, pregnancy,

and lifestyle risk factors. Teratology 1994, 50, 44–53. [CrossRef] [PubMed]
16. Hamburger, V.; Hamilton, H.L. A series of normal stages in the development of the chick embryo. 1951. Dev. Dyn. 1992, 195,

231–272. [CrossRef]
17. Gheorghescu, A.; Thompson, J. Delayed vasculogenesis and impaired angiogenesis due to altered Ang-2 and VE-cadherin levels

in the chick embryo model following exposure to cadmium. Pediatr. Surg. Int. 2016, 32, 175–186. [CrossRef] [PubMed]
18. Gheorghescu, A.K.; Tywoniuk, B.; Duess, J.; Buchete, N.V.; Thompson, J. Exposure of chick embryos to cadmium changes the

extra-embryonic vascular branching pattern and alters expression of VEGF-A and VEGF-R2. Toxicol. Appl. Pharmacol. 2015, 289,
79–88. [CrossRef]

19. Doi, T.; Puri, P.; Bannigan, J.; Thompson, J. Downregulation of ROCK-I and ROCK-II gene expression in the cadmium-induced
ventral body wall defect chick model. Pediatr. Surg. Int. 2008, 24, 1297–1301. [CrossRef]

20. Duess, J.W.; Puri, P.; Thompson, J. Impaired cytoskeletal arrangements and failure of ventral body wall closure in chick embryos
treated with rock inhibitor (Y-27632). Pediatr. Surg. Int. 2016, 32, 45–58. [CrossRef]

21. Duess, J.W.; Gosemann, J.H.; Puri, P.; Thompson, J. Teratogenesis in the chick embryo following post-gastrulation exposure to
Y-27632 -effect of Y-27632 on embryonic development. Toxicol. Appl. Pharmacol. 2020, 409, 115277. [CrossRef] [PubMed]

22. Duess, J.W.; Fujiwara, N.; Corcionivoschi, N.; Puri, P.; Thompson, J. ROCK inhibitor (Y-27632) disrupts somitogenesis in chick
embryos. Pediatr. Surg. Int. 2013, 29, 13–18. [CrossRef] [PubMed]

23. Hoang, M.V.; Whelan, M.C.; Senger, D.R. Rho activity critically and selectively regulates endothelial cell organization during
angiogenesis. Proc. Natl. Acad. Sci. USA 2004, 101, 1874–1879. [CrossRef] [PubMed]

24. Moses, M.A. The regulation of neovascularization of matrix metalloproteinases and their inhibitors. Stem Cells 1997, 15, 180–189.
[CrossRef]

25. Eelen, G.; Treps, L.; Li, X.; Carmeliet, P. Basic and Therapeutic Aspects of Angiogenesis Updated. Circ. Res. 2020, 127, 310–329.
[CrossRef] [PubMed]

222



Toxics 2023, 11, 134

26. Kamijo, H.; Matsumura, Y.; Thumkeo, D.; Koike, S.; Masu, M.; Shimizu, Y.; Ishizaki, T.; Narumiya, S. Impaired vascular
remodeling in the yolk sac of embryos deficient in ROCK-I and ROCK-II. Genes Cells 2011, 16, 1012–1021. [CrossRef]

27. Papetti, M.; Herman, I.M. Mechanisms of normal and tumor-derived angiogenesis. Am. J. Physiol. Cell Physiol. 2002, 282,
C947–C970. [CrossRef]

28. Risau, W. Mechanisms of angiogenesis. Nature 1997, 386, 671–674. [CrossRef]
29. Schmidt, A.; Brixius, K.; Bloch, W. Endothelial precursor cell migration during vasculogenesis. Circ. Res. 2007, 101, 125–136.

[CrossRef]
30. Lamalice, L.; Le Boeuf, F.; Huot, J. Endothelial cell migration during angiogenesis. Circ. Res. 2007, 100, 782–794. [CrossRef]
31. Eichmann, A.; Simons, M. VEGF signaling inside vascular endothelial cells and beyond. Curr. Opin. Cell Biol. 2012, 24, 188–193.

[CrossRef]
32. Ferrara, N.; Gerber, H.P.; LeCouter, J. The biology of VEGF and its receptors. Nat. Med. 2003, 9, 669–676. [CrossRef] [PubMed]
33. Koch, S.; Claesson-Welsh, L. Signal transduction by vascular endothelial growth factor receptors. Cold Spring Harb. Perspect. Med.

2012, 2, a006502. [CrossRef] [PubMed]
34. Koch, S.; Tugues, S.; Li, X.; Gualandi, L.; Claesson-Welsh, L. Signal transduction by vascular endothelial growth factor receptors.

Biochem. J. 2011, 437, 169–183. [CrossRef] [PubMed]
35. Cebe-Suarez, S.; Zehnder-Fjallman, A.; Ballmer-Hofer, K. The role of VEGF receptors in angiogenesis; complex partnerships.

Cell. Mol. Life Sci. 2006, 63, 601–615. [CrossRef]
36. Bryan, B.A.; D’Amore, P.A. What tangled webs they weave: Rho-GTPase control of angiogenesis. Cell. Mol. Life Sci. 2007, 64,

2053–2065. [CrossRef]
37. Park, H.J.; Kong, D.; Iruela-Arispe, L.; Begley, U.; Tang, D.; Galper, J.B. 3-hydroxy-3-methylglutaryl coenzyme A reductase

inhibitors interfere with angiogenesis by inhibiting the geranylgeranylation of RhoA. Circ. Res. 2002, 91, 143–150. [CrossRef]
[PubMed]

38. van Nieuw Amerongen, G.P.; van Hinsbergh, V.W. Role of ROCK I/II in vascular branching. Am. J. Physiol. Heart Circ. Physiol.
2009, 296, H903–H905. [CrossRef]

39. Varon, C.; Basoni, C.; Reuzeau, E.; Moreau, V.; Kramer, I.J.; Genot, E. TGFbeta1-induced aortic endothelial morphogenesis requires
signaling by small GTPases Rac1 and RhoA. Exp. Cell Res. 2006, 312, 3604–3619. [CrossRef]

40. Liu, J.; Wada, Y.; Katsura, M.; Tozawa, H.; Erwin, N.; Kapron, C.M.; Bao, G.; Liu, J. Rho-Associated Coiled-Coil Kinase (ROCK) in
Molecular Regulation of Angiogenesis. Theranostics 2018, 8, 6053–6069. [CrossRef]

41. Urade, R.; Chiu, Y.H.; Chiu, C.C.; Wu, C.Y. Small GTPases and Their Regulators: A Leading Road toward Blood Vessel
Development in Zebrafish. Int. J. Mol. Sci. 2022, 23, 4991. [CrossRef] [PubMed]

42. Riento, K.; Ridley, A.J. Rocks: Multifunctional kinases in cell behaviour. Nat. Rev. Mol. Cell Biol. 2003, 4, 446–456. [CrossRef]
[PubMed]

43. Scott, R.W.; Olson, M.F. LIM kinases: Function, regulation and association with human disease. J. Mol. Med. (Berl.) 2007, 85,
555–568. [CrossRef] [PubMed]

44. Montalvo, J.; Spencer, C.; Hackathorn, A.; Masterjohn, K.; Perkins, A.; Doty, C.; Arumugam, A.; Ongusaha, P.P.; Lakshmanaswamy, R.;
Liao, J.K.; et al. ROCK1 & 2 perform overlapping and unique roles in angiogenesis and angiosarcoma tumor progression.
Curr. Mol. Med. 2013, 13, 205–219.

45. Sun, H.; Breslin, J.W.; Zhu, J.; Yuan, S.Y.; Wu, M.H. Rho and ROCK signaling in VEGF-induced microvascular endothelial
hyperpermeability. Microcirculation 2006, 13, 237–247. [CrossRef]

46. Dugan, J.D., Jr.; Lawton, M.T.; Glaser, B.; Brem, H. A new technique for explantation and in vitro cultivation of chicken embryos.
Anat. Rec. 1991, 229, 125–128. [CrossRef]

47. Parsons-Wingerter, P.; Elliott, K.E.; Clark, J.I.; Farr, A.G. Fibroblast growth factor-2 selectively stimulates angiogenesis of small
vessels in arterial tree. Arterioscler. Thromb. Vasc. Biol. 2000, 20, 1250–1256. [CrossRef]

48. Masters, B.R. Fractal analysis of the vascular tree in the human retina. Annu. Rev. Biomed. Eng. 2004, 6, 427–452. [CrossRef]
49. Stosic, T.; Stosic, B.D. Multifractal analysis of human retinal vessels. IEEE Trans. Med. Imaging 2006, 25, 1101–1107. [CrossRef]
50. Liew, G.; Mitchell, P.; Rochtchina, E.; Wong, T.Y.; Hsu, W.; Lee, M.L.; Wainwright, A.; Wang, J.J. Fractal analysis of retinal

microvasculature and coronary heart disease mortality. Eur. Heart J. 2011, 32, 422–429. [CrossRef]
51. Lammer, E.J.; Iovannisci, D.M.; Tom, L.; Schultz, K.; Shaw, G.M. Gastroschisis: A gene-environment model involving the

VEGF-NOS3 pathway. Am. J. Med. Genet. C Semin. Med. Genet. 2008, 148C, 213–218. [CrossRef]
52. Khan, F.A.; Raymond, S.L.; Hashmi, A.; Islam, S. Anatomy and embryology of abdominal wall defects. Semin. Pediatr. Surg. 2022,

31, 151230. [CrossRef] [PubMed]
53. Bryan, B.A.; Dennstedt, E.; Mitchell, D.C.; Walshe, T.E.; Noma, K.; Loureiro, R.; Saint-Geniez, M.; Campaigniac, J.-P.; Liao, J.K.

D’Amore, P.A. RhoA/ROCK signaling is essential for multiple aspects of VEGF-mediated angiogenesis. FASEB J. 2010, 24,
3186–3195. [CrossRef] [PubMed]

54. Olsson, A.K.; Dimberg, A.; Kreuger, J.; Claesson-Welsh, L. VEGF receptor signalling—In control of vascular function. Nat. Rev.
Mol. Cell Biol. 2006, 7, 359–371. [CrossRef] [PubMed]

55. Chen, W.; Mao, K.; Liu, Z.; Dinh-Xuan, A.T. The role of the RhoA/Rho kinase pathway in angiogenesis and its potential value in
prostate cancer (Review). Oncol. Lett. 2014, 8, 1907–1911. [CrossRef]

223



Toxics 2023, 11, 134

56. van Nieuw Amerongen, G.P.; Koolwijk, P.; Versteilen, A.; van Hinsbergh, V.W. Involvement of RhoA/Rho kinase signaling in
VEGF-induced endothelial cell migration and angiogenesis in vitro. Arterioscler. Thromb. Vasc. Biol. 2003, 23, 211–217. [CrossRef]

57. Shalaby, F.; Ho, J.; Stanford, W.L.; Fischer, K.D.; Schuh, A.C.; Schwartz, L.; Bernstein, A.; Rossant, J. A requirement for Flk1 in
primitive and definitive hematopoiesis and vasculogenesis. Cell 1997, 89, 981–990. [CrossRef]

58. Shalaby, F.; Rossant, J.; Yamaguchi, T.P.; Gertsenstein, M.; Wu, X.F.; Breitman, M.L.; Schuh, A.C. Failure of blood-island formation
and vasculogenesis in Flk-1-deficient mice. Nature 1995, 376, 62–66. [CrossRef]

59. Carmeliet, P.; Ferreira, V.; Breier, G.; Pollefeyt, S.; Kieckens, L.; Gertsenstein, M.; Fahrig, M.; Vandenhoeck, A.; Harpal, K.;
Eberhardt, C.; et al. Abnormal blood vessel development and lethality in embryos lacking a single VEGF allele. Nature 1996, 380,
435–439. [CrossRef]

60. Ferrara, N.; Carver-Moore, K.; Chen, H.; Dowd, M.; Lu, L.; O’Shea, K.S.; Powell-Braxton, L.; Hillan, K.J.; Moore, M.W. Heterozy-
gous embryonic lethality induced by targeted inactivation of the VEGF gene. Nature 1996, 380, 439–442. [CrossRef]

61. Eckenstaler, R.; Hauke, M.; Benndorf, R.A. A current overview of RhoA, RhoB, and RhoC functions in vascular biology and
pathology. Biochem. Pharmacol. 2022, 206, 115321. [CrossRef]

62. Combedazou, A.; Gayral, S.; Colombie, N.; Fougerat, A.; Laffargue, M.; Ramel, D. Small GTPases orchestrate cell-cell communica-
tion during collective cell movement. Small GTPases 2020, 11, 103–112. [CrossRef]

63. Uchida, S.; Watanabe, G.; Shimada, Y.; Maeda, M.; Kawabe, A.; Mori, A.; Arii, S.; Uehata, M.; Kishimoto, T.; Oikawa, T.; et al. The
suppression of small GTPase rho signal transduction pathway inhibits angiogenesis in vitro and in vivo. Biochem. Biophys. Res.
Commun. 2000, 269, 633–640. [CrossRef]

64. Kroll, J.; Epting, D.; Kern, K.; Dietz, C.T.; Feng, Y.; Hammes, H.P.; Wieland, T.; Augustin, H.G. Inhibition of Rho-dependent
kinases ROCK I/II activates VEGF-driven retinal neovascularization and sprouting angiogenesis. Am. J. Physiol. Heart Circ.
Physiol. 2009, 296, H893–H899. [CrossRef]

65. Yin, L.; Morishige, K.; Takahashi, T.; Hashimoto, K.; Ogata, S.; Tsutsumi, S.; Takata, K.; Ohta, T.; Kawagoe, J.; Takahashi, K.; et al.
Fasudil inhibits vascular endothelial growth factor-induced angiogenesis in vitro and in vivo. Mol. Cancer Ther. 2007, 6, 1517–1525.
[CrossRef]

66. Yadgary, L.; Kedar, O.; Adepeju, O.; Uni, Z. Changes in yolk sac membrane absorptive area and fat digestion during chick
embryonic development. Poult. Sci. 2013, 92, 1634–1640. [CrossRef] [PubMed]

67. Yadgary, L.; Yair, R.; Uni, Z. The chick embryo yolk sac membrane expresses nutrient transporter and digestive enzyme genes.
Poult. Sci. 2011, 90, 410–416. [CrossRef] [PubMed]

68. Minko, K.; Bollerot, K.; Drevon, C.; Hallais, M.F.; Jaffredo, T. From mesoderm to blood islands: Patterns of key molecules during
yolk sac erythropoiesis. Gene Expr. Patterns 2003, 3, 261–272. [CrossRef]

69. Hyvelin, J.M.; Howell, K.; Nichol, A.; Costello, C.M.; Preston, R.J.; McLoughlin, P. Inhibition of Rho-kinase attenuates hypoxia-
induced angiogenesis in the pulmonary circulation. Circ. Res. 2005, 97, 185–191. [CrossRef]

70. Felcht, M.; Luck, R.; Schering, A.; Seidel, P.; Srivastava, K.; Hu, J.; Bartol, A.; Kienast, Y.; Vettel, C.; Loos, E.K.; et al. Angiopoietin-2
differentially regulates angiogenesis through TIE2 and integrin signaling. J. Clin. Investig. 2012, 122, 1991–2005. [CrossRef]
[PubMed]

71. Lee, O.H.; Fueyo, J.; Xu, J.; Yung, W.K.; Lemoine, M.G.; Lang, F.F.; Bekele, B.N.; Zhou, X.; Alonso, M.A.; Aldape, K.D.; et al.
Sustained angiopoietin-2 expression disrupts vessel formation and inhibits glioma growth. Neoplasia 2006, 8, 419–428. [CrossRef]
[PubMed]

72. Maisonpierre, P.C.; Suri, C.; Jones, P.F.; Bartunkova, S.; Wiegand, S.J.; Radziejewski, C.; Compton, D.; McClain, J.; Aldrich, T.H.;
Papadopoulos, N.; et al. Angiopoietin-2, a natural antagonist for Tie2 that disrupts in vivo angiogenesis. Science 1997, 277, 55–60.
[CrossRef] [PubMed]

73. Davis, S.; Yancopoulos, G.D. The Angiopoietins: Yin and Yang in Angiogenesis. In Vascular Growth Factors and Angiogenesis;
Claesson-Welsh, L., Ed.; Springer: Berlin/Heidelberg, Germany, 1999; pp. 173–185.

74. Fukumura, D.; Gohongi, T.; Kadambi, A.; Izumi, Y.; Ang, J.; Yun, C.O.; Buerk, D.G.; Huang, P.L.; Jain, R.K. Predominant role of
endothelial nitric oxide synthase in vascular endothelial growth factor-induced angiogenesis and vascular permeability. Proc. Natl.
Acad. Sci. USA 2001, 98, 2604–2609. [CrossRef] [PubMed]

75. Peng, J.F.; Ling, Y.; Gou, W.Y.; Zhang, H.; Wu, C.X. Identification of chicken eNOS gene and differential expression in highland
versus lowland chicken breeds. Poult. Sci. 2012, 91, 2275–2281. [CrossRef]

76. Kroll, J.; Waltenberger, J. VEGF-A induces expression of eNOS and iNOS in endothelial cells via VEGF receptor-2 (KDR).
Biochem. Biophys. Res. Commun. 1998, 252, 743–746. [CrossRef]

Disclaimer/Publisher’s Note: The statements, opinions and data contained in all publications are solely those of the individual
author(s) and contributor(s) and not of MDPI and/or the editor(s). MDPI and/or the editor(s) disclaim responsibility for any injury to
people or property resulting from any ideas, methods, instructions or products referred to in the content.

224



Citation: Huang, X.; Su, Z.; Li, J.; He,

J.; Zhao, N.; Nie, L.; Guan, B.; Huang,

Q.; Zhao, H.; Lu, G.-D.; et al.

Downregulation of LncRNA GCLC-1

Promotes Microcystin-LR-Induced

Malignant Transformation of Human

Liver Cells by Regulating GCLC

Expression. Toxics 2023, 11, 162.

https://doi.org/10.3390/

toxics11020162

Academic Editors: Esref Demir and

Sam Kacew

Received: 21 December 2022

Revised: 3 February 2023

Accepted: 5 February 2023

Published: 9 February 2023

Copyright: © 2023 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

toxics

Article

Downregulation of LncRNA GCLC-1 Promotes
Microcystin-LR-Induced Malignant Transformation of Human
Liver Cells by Regulating GCLC Expression

Xinglei Huang 1,†, Zhaohui Su 1,†, Jiangheng Li 1, Junquan He 1, Na Zhao 1, Liyun Nie 1, Bin Guan 1,

Qiuyue Huang 1, Huiliu Zhao 2, Guo-Dong Lu 3 and Qingqing Nong 1,4,5,*

1 Department of Environmental Health, School of Public Health, Guangxi Medical University,
Nanning 530021, China

2 Department of Clinical Laboratory, The Affiliated Tumor Hospital of Guangxi Medical University,
Nanning 530021, China

3 Department of Toxicology, School of Public Health, Guangxi Medical University, Nanning 530021, China
4 Guangxi Colleges and Universities Key Laboratory of Prevention and Control of Highly Prevalent Diseases,

Guangxi Medical University, Nanning 530021, China
5 Guangxi Key Laboratory of Environment and Health Research, Guangxi Medical University,

Nanning 530021, China
* Correspondence: nnqq@gxmu.edu.cn; Tel.: +86-771-5358146
† These authors contributed equally to this work.

Abstract: Microcystin-LR (MCLR) is an aquatic toxin, which could lead to the development of
hepatocellular carcinoma (HCC). Long non-coding RNAs (lncRNAs) are considered important
regulatory elements in the occurrence and development of cancer. However, the roles and mechanisms
of lncRNAs during the process of HCC, induced by MCLR, remain elusive. Here, we identified
a novel lncRNA, namely lnc-GCLC-1 (lncGCLC), which is in close proximity to the chromosome
location of glutamate–cysteine ligase catalytic subunit (GCLC). We then investigated the role of
lncGCLC in MCLR-induced malignant transformation of WRL68, a human hepatic cell line. During
MCLR-induced cell transformation, the expression of lncGCLC and GCLC decreased continuously,
accompanied with a consistently high expression of miR-122-5p. Knockdown of lncGCLC promoted
cell proliferation, migration and invasion, but reduced cell apoptosis. A xenograft nude mouse model
demonstrated that knockdown of lncGCLC promoted tumor growth. Furthermore, knockdown
of lncGCLC significantly upregulated miR-122-5p expression, suppressed GCLC expression and
GSH levels, and enhanced oxidative DNA damages. More importantly, the expression of lncGCLC
in human HCC tissues was significantly downregulated in the high-microcystin exposure group,
and positively associated with GCLC level in HCC tissues. Together, these findings suggest that
lncGCLC plays an anti-oncogenic role in MCLR-induced malignant transformation by regulating
GCLC expression.

Keywords: microcystin-LR; lncRNA GCLC-1; GCLC; carcinogenesis

1. Introduction

Microcystins (MCs), a group of cyclic heptapeptide compounds, are secondary metabo-
lites produced by freshwater cyanobacteria [1]. So far, over 279 structural variants of MCs
have been identified, among which microcystin-LR (MCLR) is regarded as the most toxic [2].
Since current tap water treatment technologies are not effective in removing MCs, MCs
contamination has become an imperative threat to people’s drinking water safety. Epi-
demiological studies have suggested that chronic exposure to MCLR via consumption of
contaminated water was associated with an increased incidence of hepatocellular carcinoma
(HCC) [3–7]. MCLR is currently classified as a group 2B carcinogen by the International
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Agency for Research on Cancer [8]. However, the underlying mechanism of MCLR-induced
HCC remains elusive.

One of the predominant forms of free radical-induced oxidative lesions, 8-hydroxy-2’-
deoxyguanosine (8-OHdG), has been widely used as a biomarker for oxidative stress and
carcinogenesis [9]. Long-term and persistent exposure to MCLR increased the 8-OHdG
levels of DNA in liver cells, damaged the integrity of mitochondrial DNA (mtDNA) and
nuclear DNA, and altered the mtDNA content [10,11]. A large number of proteins has been
identified to be involved in the DNA damage process and response. Glutamate–cysteine
ligase (GCL) is one of the key enzymes of oxidative stress and functions as a rate-limiting
enzyme of glutathione (GSH) synthesis. This enzyme is a heterodimer, consisting of a
catalytic subunit (GCLC) and a modifier subunit (GCLM) [12]. Downregulation of GCLC
was observed in multiple types of human cancer cell lines and tumors [13–15]. Previously,
we have found that the expression of GCLC and activity of GCL decreased continuously,
accompanied with consistently low levels of GSH, but high levels of oxidative DNA dam-
ages during MCLR-induced cell transformation, suggesting that downregulation of GCLC
participates in MCLR-induced oxidative DNA damages and malignant transformation in
human liver cells [16].

Long non-coding RNAs (lncRNAs) are a group of non-coding transcripts, longer
than 200 nucleotides. Abnormalities in lncRNAs have been confirmed to exhibit tumor
suppressor or carcinogenic effects, and play an important role in the development of tumors.
For instance, the expression of lncRNA-DQ786227 was significantly increased during the
transformation of BEAS-2B cells induced by benzo(a)pyrene, while silencing of lncRNA-
DQ786227 expression inhibited cell proliferation and colony formation, and promoted cell
apoptosis [17]. LncRNA linc00152 was upregulated in transformed 16HBE cells, induced
by cigarette smoke extract (CSE), and expedited cell transformation by regulating cyclin
D1 [18]. Cadmium (Cd) exposure-caused lncRNA MEG3 downregulation leads to enhanced
cell cycle progression and apoptosis resistance, promoting Cd-induced cell transformation
and cancer stem cell (CSC)-like property [19]. Furthermore, numerous lncRNAs, including
lncRNA-LET [20], lncRNA-PRAL [21] and lnc-DILC [22] were found to be downregulated
in HCC tissues and dramatically inhibited HCC growth by regulating histone acetylation,
p53 ubiquitination, or autocrine interleukin-6/STAT3 signaling. However, the roles of
lncRNAs, in the occurrence of cancer induced by MCLR, are poorly reported.

It is well established that the function of lncRNAs is frequently associated with their
chromosomal location. Accumulating evidence suggests that numerous lncRNA loci
act locally (in cis) to regulate the expression of neighbouring genes through functions
of the lncRNA promoter, transcription, or transcript itself [23]. Recently, we identified
a novel lncRNA named lnc-GCLC-1 (defined as lncGCLC here: https://lncipedia.org/
db/transcript/lnc-GCLC-1:7, accessed on 20 December 2022), of which the chromosome
location (chr6: 53,561,289–53,617,007) is near that of GCLC (chr6: 53,497,341–53,616,970). To
date, the biological function and expression of lncGCLC remains unexplored. In this study,
we investigated the potential roles of lncGCLC in MCLR-induced hepatocarcinogenesis,
based on the previously established MCLR-induced malignant transformation model in
human liver cell lines WRL68 and the MC-exposed human samples. Further, we analyzed
the relationship among lncGCLC, redox and hepatocarcinogenesis induced by MCLR.

2. Materials and Methods

2.1. Cell Lines and MCLR-Induced Malignant Transformation Model

The human normal liver cell lines WRL68 and human hepatoma cell lines (HepG2
and SMMC7721) were purchased from the American Type Culture Collection (Manassas,
VA, USA). WRL68, HepG2 and SMMC7721 cells were cultured in Dulbecco’s Modified
Eagle’s Medium (DMEM, Gibco, USA), supplemented with 10% fetal bovine serum (FBS,
Gibco, USA) and 1% penicillin/streptomycin (Gibco, USA) in a cell incubator, with 5%
carbon dioxide at 37 ◦C. The MCLR-induced malignant transformation model of WRL68
cells was established as described in the previous study [24,25]. In brief, the cells were
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continuously exposed to phosphate-buffered saline (PBS; negative control) or 10 μg/L of
MCLR (Alexis, Switzerland) for 72 h per passage. The process was continued for about 11
weeks (25 passages). The soft agar assay and in vivo tumorigenicity assays in nude mice
were performed to detect the malignancy of MCLR-treated WRL68 cells [16].

2.2. Construction of WRL68 Cells with Stable Knockdown of LncGCLC

Small hairpin RNA (shRNA) was synthesized against lncGCLC by iGeneBio (Guangzhou,
China). The shRNA, or scrambled control shRNA of lncGCLC, was cloned into vector psi-
LVRH1GPF, named sh-lncGCLC and sh-NC, respectively. Then, the constructed plasmids
were transfected into 293T cells, to collect viral particles using Lenti-Pac™ HIV packaging mix
(GeneCopoeia, Inc., Guangzhou, China). The viral particles were then used to infect WRL68
cells, and screened by adding puromycin (10 μg/mL). The stably transfected cell line was
confirmed by a fluorescence microscope and quantitative real-time polymerase chain reaction
(qRT-PCR). The interference sequence of sh-lncGCLC and sh-NC are as follows: sh-lncGCLC,
5′-GCTTCTCCTCACTCCCAATTA-3′; sh-NC, 5′-GCTTCGCGCCGTAGTCTTA-3′. Then, the
vector, or sh-lncGCLC-transfected cells, was separately treated with PBS or 10 μg/L of MCLR
for 25 passages.

2.3. Tumor Tissue of HCC Patients with MC Exposure

HCC patients with an MC exposure were selected from our previous case-control
study that involved 541 participants [26]. Briefly, thirty pairs of liver tumor tissue and
adjacent normal tissue were collected during surgery on patients diagnosed with HCC from
the Affiliated Tumor Hospital of Guangxi Medical University. Tissue samples were used
to detect the expressions of lncGCLC and GCLC using qRT-PCR. Serum MC levels were
determined using enzyme-linked immunosorbent assay (ELISA) kits (Beacon Analytical
Systems Inc., Saco, ME, USA). The 30 participants were matched by age, sex, and hepatitis
B virus infection status, and were divided into two groups according to the median values
of serum MCs (0.14 μg/L) from all 541 HCC patients, termed the low MC exposure group
and the high MC exposure group, respectively. Informed consent was obtained from
patients prior to specimen collection, and all samples were snap-frozen in liquid nitrogen,
immediately after excision, and stored at −80 ◦C until use.

2.4. RNA Extraction and qRT-PCR Analysis

Total RNA was isolated from cells and tissues using a TRIzol reagent (Invitrogen,
Carlsbad, CA, USA), according to the manufacturer’s instructions. RNA quality and
concentration were measured using NanoDrop ND-1000 Spectrophotometer (Agilent, Santa
Clara, CA, USA). Total RNA was reverse-transcribed using a PrimeScript1 RT Reagent Kit
(TaKaRa, Kusatsu, Japan), and the SYBR Premix Ex TaqTM Kit (TaKaRa, Kusatsu, Japan)
was then used to determine gene expression with gene-specific primers, according to the
manufacturer’s instructions. PCR reactions were performed on the StepOnePlusTM Real-
Time PCR System (Applied Biosystems, Foster City, CA, USA), and the cycling conditions
were as follows: 95 ◦C for 30 s, followed by 40 cycles of 95 ◦C for 5 s and 60 ◦C for
30 s. The PCR products were identified using a melting-curve analysis. Relative fold
changes were calculated using the 2−��Ct method. The sequences of primers are shown in
Supplementary Table S1.

2.5. Cell Proliferation Assay

A cell proliferation assay was performed using a Cell Counting Kit-8 (CCK-8; Dojindo,
Japan), abiding by the manufacturer’s protocols. Cells were seeded into 96-well plates at
5 × 103 cells per well. After incubation for 24, 48, 72, or 96 h, the culture medium was
discarded and 110 μL of fresh medium containing 10 μL of CCK-8 reagent was added to
each well. After incubation for 2 h, A450 was measured using a microplate reader (Thermo
Fisher Scientific, Rochester, NY, USA).
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2.6. Flow Cytometry Assay

For cell cycle analysis, cells were harvested and fixed overnight in 70% (v/v) ethanol
at 4 ◦C. Subsequently, cells were stained with 1 mg/mL propidium iodide at 37 ◦C for
30 min after mixing with 10 mg/mL RNase and assessed immediately by flow cytometry
(FACScan; BD Biosciences, Shanghai, China). To analyse cell apoptosis, cells were harvested
and washed twice with ice-cold PBS, followed by resuspension in the binding buffer.
Subsequently, 5 μL of Annexin V-APC and 10 μL of 7-AAD were added to 100 μL of the cell
suspension at 4 ◦C for 15 min in the dark. Cell apoptosis was determined by flow cytometry
(FACScan; BD Biosciences, Shanghai, China). Data on the cell cycle and apoptosis were
analysed by FlowJo 7.6 (Treestar, Woodburn, OR, USA).

2.7. Transwell Migration and Invasion Assays

Migration or invasion of cells in each group was evaluated using 24-well Transwell
chambers (BD Biosciences, Becton, NJ, USA) without or with Matrigel-coating, according
to the manufacturer’s instructions. Cells were harvested and adjusted to 1 × 105/mL
of cell suspension using serum-free medium, containing 0.08% bovine serum albumin.
Briefly, 200 μL cell suspension was added to the upper chamber of the Transwell (8-μm
pore size). Subsequently, 2 × DMEM medium was poured into the bottom well. After
incubating at 37 ◦C for 60 h, cells were fixed with 4% paraformaldehyde, and stained with
0.1% crystal violet. After removing non-migrated or non-invaded cells from the top of the
membrane with cotton swabs, migrated or invaded cells from the bottom of the membrane
were counted using an inverted microscope (Olympus, Tokyo, Japan), in three randomly
selected fields (magnification; 100×).

2.8. Soft Agar Assay

The cells in the logarithmic growth phase were harvested and adjusted to a density of
5 × 104/mL. The agar (1.2% w/v, Sigma-Aldrich, St. Louis, MO, USA), in a small beaker,
was completely dissolved using a microwave oven, cooled to 60 ◦C, and rapidly mixed
with the same volume of 2 × DMEM medium (containing 20% FBS). The mixture was
then injected into each well of 6-well plates. After solidification at room temperature,
5 × 103 cells per well of each group were suspended in 2 mL of 0.3% (w/v) agar medium,
supplemented with 10% FBS and then seeded in the plate (three plates per group). These
plates were incubated at 37 ◦C under 5% CO2 for 15 days and stained with 0.005% crystal
violet for 30 min. The colony formation efficiency was measured when clones contained
more than 50 cells under an inverted microscope (Olympus, Tokyo, Japan). The rate of soft
agar colony formation was calculated as follows: (number of colonies)/(number of cells
seeded) × 100%.

2.9. Tumorigenicity Assays in Nude Mice

Thirty-six BALB/c athymic nude mice (4–5 weeks, male: female = 1:1) were purchased
from the Guangxi Medical University Laboratory Animals Center. After a week of adaptive
feeding in a pathogen-free room, mice were randomly divided into six groups (n = 3 for
both male and female nude mice per group). The 25th passage of sh-lncGCLC-transfected
cells, vector-transfected cells, and control cells (with or without MCLR treatment) were
harvested after adjusting the cell suspension to 1 × 107/mL with PBS, then, 100 μL was
injected subcutaneously into nude mice to evaluate the tumorigenicity of transformed
cells. The tumor volume was measured every three days and calculated using the equation:
V = (LW2)/2 (L, longitudinal diameter; W, width diameter) [25,27]. After 22 days of
injection, the mice were sacrificed, and tumors were harvested, weighed, and fixed with 4%
paraformaldehyde for pathological examination.

2.10. Relative Expression of LncGCLC in the Nucleus and Cytoplasm

To establish the subcellular localization of lncGCLC, nuclear and cytoplasmic fractions
were isolated from WRL68 cells using the Nuclear/Cytosol Fractionation Kit (BioVision,
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Milpitas, MA, USA), and nuclear and cytoplasmic RNA was extracted. Nuclear and
cytoplasmic RNA (800 ng) was then converted to cDNA and analyzed for the expression of
lncGCLC by qRT-PCR.

2.11. Western Blots Analysis

Briefly, cells were harvested and lysed using the RIPA buffer (Beyotime, Shanghai,
China). Total proteins were collected from the supernatant liquid of the cell homogenate
after centrifuging, and the concentrations were measured by a BCA protein assay kit
(Beyotime, Shanghai, China). The proteins were subjected to sodium dodecyl sulfate-
polyacrylamide gel electrophoresis (SDS-PAGE) and were electrophoretically transferred to
nitrocellulose filter membranes. Then, the membranes were blocked in 5% fat-free milk for
2 h and incubated with the appropriate primary antibodies overnight at 4 ◦C with gentle
shaking. The primary antibodies used were GCLC (1:400, Abcam, Cambridge, UK) and
β-actin (1:5000, Abcam, Cambridge, UK). Subsequently, the membranes were incubated
with secondary antibodies (1:104; Beijing Bioss Biotechnology Co., Ltd., Beijing, China) for
2 h at room temperature. Finally, the protein bands were determined by Odyssey two-color
infrared fluorescence imaging system (Li-cor, Ltd., Lincoln, NE, USA).

2.12. Determination of GCL, GSH, and 8-OHdG

The activity of GCL and the content of GSH were determined by the kits obtained from
Nanjing Jiancheng Biology Engineering Institute (Nanjing, China). The content of 8-OHdG
was measured by an ELISA kit, supplied by BlueGene Biotech Co., Ltd. (Shanghai, China).
All procedures were performed according to the corresponding manufacturer’s protocols.

2.13. Statistical Analysis

All statistical analyses were performed using SPSS 19.0 software (IBM Corp., Armonk,
NY, USA). Quantitative data are presented as the mean ± standard deviation (SD). Differ-
ences between any two groups were analyzed by a paired t-test or an independent t-test.
Differences among multiple groups were assessed using one-way analysis of variance
analysis (ANOVA). If the ANOVA was statistically significant, the student-Newman-Keuls
test would be used to analyze the differences between the two groups. A value of p < 0.05
was statistically significant.

3. Results

3.1. LncGCLC Is Downregulated in MCLR-Transformed WRL68 Cells and HCC Tissues with
MC Exposure

We investigated whether lncGCLC is differentially expressed in MCLR-transformed
cells, liver cancer cell lines, and patient samples. Continuously decreased levels of lncGCLC
were observed in WRL68 cells after exposure to MCLR for 10 passages, compared to the
passage-matched control cells (Figure 1A). Using qRT-PCR, we examined the expression
of lncGCLC in two cell lines derived from human liver cancers (HepG2 and SMMC7721).
LncGCLC expression of the two liver cancer cell lines was much lower than that in normal
human liver cell lines WRL68 (Figure 1B). Next, the detection of lncGCLC in liver tissue
of HCC patients with MC exposure was performed to further determine the relationship
between MC exposure and lncGCLC expression. The results are shown in Figure 1C,D;
the lncGCLC expression of tumor tissue was significantly lower than that of the matched
normal tissues. Compared to the low MC exposure group, the lncGCLC expression of
tumor tissue was significantly downregulated in high MC exposure group. As shown in
Supplementary Table S2, there was no significant difference between the groups divided by
the clinicopathologic factors, including tumor size, differentiation, lymph node metastasis,
and Barcelona Clinic Liver Cancer (BCLC) stages.
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Figure 1. The lncGCLC expression in MCLR-exposed cells and population samples. (A) Changes
of lncGCLC expression in WRL68 cells after exposure to 0 or 10 μg/L of MCLR for 0, 10, 15, and
25 passages. * p < 0.05 compared with passage-matched control cells. (B) Comparison of lncGCLC
expression in WRL68, HepG2, and SMMC7721 cells. ** p < 0.01 compared with WRL68 cells. (C) Com-
parison of lncGCLC expression in tumor tissue and adjacent normal tissue from HCC patients with
MC exposure (n = 30), ** p < 0.01. (D) LncGCLC expression in HCC patients with high MC exposure
(serum MCs ≥ 0.14 μg/L, n = 17) was lower than that in those with low MC exposure (serum MCs <
0.14 μg/L, n = 13), ** p < 0.01. Data are presented as the mean ± SD of three independent experiments.

3.2. Knockdown of lncGCLC Promoted MCLR-Induced Cell Proliferation

To further clarify the role of lncGCLC in MCLR-induced malignant transformation,
lncGCLC was continuously knocked down in WRL68 cells (passage 0) using shRNA.
Because lncGCLC is a 3653-bp non-coding RNA, the success rate of construction of lentiviral
vector overexpressing lncGCLC is relatively low, thus knockdown of lncGCLC was used
to confirm its function. As shown in Figure 2A, a low expression level of lncGCLC was
detected in the WRL68 cells stably transfected with lncGCLC shRNA (sh-lncGCLC), using
qRT-PCR. In contrast, there was no significant difference in the expression level of lncGCLC
between the control cells and empty vector-transfected cells. Next, the vector- or sh-
lncGCLC-transfected cells were separately exposed to 10 μg/L of MCLR for 25 passages.
MCLR downregulated the expression of lncGCLC in the empty vector-transfected cells,
and the alteration was more pronounced by lncGCLC knockdown. CCK-8 assays indicated
that the proliferation rate of the MCLR-treated cells and lncGCLC knockdown cells at 25
passages were significantly faster than that of the control (Figure 2B). Moreover, knockdown
of lncGCLC significantly promoted cell proliferation induced by MCLR. These results
further proved the effect of lncGCLC knockdown on cell proliferation.
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Figure 2. Knockdown of lncGCLC promoted the proliferation of MCLR-treated WRL68 cells. Vector-
or sh-lncGCLC-transfected cells were treated with or without 10 μg/L of MCLR for 25 passages.
(A) The expression of lncGCLC was detected using qRT-PCR. (B) Cell proliferation activity was
detected by CCK-8. (C) Cell apoptosis was analyzed using flow cytometry. (D) Apoptosis rate in each
group. (E) The percentage distribution of cells in the G1/G0, S, and G2/M phases of the cell cycle
was determined by flow cytometry. (F) Cell cycle distribution quantification. Data are presented
as the means ± SD of three independent experiments in each group. * p < 0.05 compared with the
control group; # p < 0.05 compared with the sh-NC group; † p < 0.05 compared with the sh-NC +
MCLR group.
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Because lncGCLC affects cell proliferation, we hypothesized that it may do so by
affecting the cell cycle and/or apoptosis. The apoptotic rate in sh-lncGCLC-transfected
cells, following treatment with MCLR, was significantly lower than in vector-transfected
cells treated with MCLR, whereas the frequency of apoptosis in vector-transfected cells
was similar to that of the control cells (Figure 2C,D). Knockdown of lncGCLC significantly
inhibited cell apoptosis. As shown in Figure 2E,F, the percentage of WRL68 cells in the
G0/G1 phase was significantly reduced, while that in the G2/M phases was significantly
increased after treatment with MCLR for 25 passages. Examination of cell cycle changes
in sh-lncGCLC-transfected cells, following treatment with MCLR, disclosed an evident
increase in the percentage of cells in the S phase and a concomitant decrease in the percent-
age of cells in the G0/G1 and G2/M phases. These results suggested that lncGCLC affected
cell proliferation by functioning as a cell cycle checkpoint.

3.3. Knockdown of lncGCLC Promoted MCLR-Induced Cell Migration and Invasion

To determine whether lncGCLC has any effect on the metastatic capacity of MCLR-
induced malignant transformed cells, we examined the effects of lncGCLC knockdown
on the motility of MCLR-untreated or -treated cells with a Transwell assay. The Transwell
experiment found that the number of cells passing through the transwell membranes
significantly increased after knockdown of lncGCLC (Figure 3A–D). These results further
indicated that the expression of lncGCLC could promote the migration and invasion of
malignantly transformed WRL68 cells induced by MCLR.

Figure 3. Knockdown of lncGCLC promoted the migration and invasion of MCLR-treated WRL68
cells. Vector- or sh-lncGCLC-transfected cells were treated with or without 10 μg/L of MCLR
for 25 passages. (A) Representative images of a cell migration assay (100×), scale bar = 200 μm.
(B) Quantification of cell migration. (C) Representative images of a cell invasion assay (Original
magnification ×100, scale bar = 200 μm). (D) Quantification of cell invasion. Data are presented
as the means ± SD of three independent experiments in each group. * p < 0.05 compared with the
control group; # p < 0.05 compared with the sh-NC group; † p < 0.05 compared with the sh-NC +
MCLR group.
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3.4. Knockdown of lncGCLC Promoted the Growth of Malignantly Transformed WRL68 Cells,
Induced by MCLR in Nude Mice

The results of the colony forming assay experiment showed that anchorage -independent
growth capacity of MCLR-transformed cells was significantly increased after knockdown
of lncGCLC (Figure 4A,B). We performed a tumor xenograft experiment in nude mice to
verify whether lncGCLC can promote the growth of tumor in vivo. In the group injected
with sh-lncGCLC-transfected cells, MCLR-treated cells, vector-transfected cells with MCLR
treatment or sh-lncGCLC-transfected cells with MCLR treatment, tumor incidence was 100%.
In contrast, in the group injected with control cells or vector-transfected cells, none of
the mice developed tumors, with 0% of tumor incidence. Moreover, the tumors of the
mice injected with sh-lncGCLC-transfected cells, following treatment with MCLR, were
significantly larger than those with vector-transfected cells, following treatment with MCLR
(Figure 4C–F). This promoted the effect of lncGCLC knockdown on tumor growth consistent
with our in vitro results. Tumors in nude mice induced by MCLR-transformed cells were
composed of poorly differentiated hepatocytes (Figure 4G). Though the tumors tended to
grow faster in male compared to female mice in the group injected with MCLR-transformed
cells, the differences did not reach statistically significant level (Supplementary Figure S1).

3.5. lncGCLC Regulates the Expression of GCLC in MCLR-Induced Malignant Transformation

Following the observation of the role of lncGCLC in MCLR-induced malignant trans-
formation of WRL68 cells, we attempted to analyze the underlying mechanism. Recent
studies have found that some lncRNAs act in cis, therefore they can regulate the expression
of one or more nearby genes on the same chromosome [23,28]. We investigated whether
lncGCLC acts in cis. The expression of five nearby genes, GCLC, ELOVL5, TMEM14A,
ICK, and FBXO9, extending across approximately 1.5 Mb downstream of lncGCLC, was
detected by qRT-PCR after the knockdown of lncGCLC by shRNA. As shown in Figure 5A,
only GCLC mRNA expression in sh-lncGCLC-transfected cells was significantly lower than
that in vector control cells, suggesting that lncGCLC may regulate GCLC expression.

We also determined the cytoplasmic/nuclear distributions of lncGCLC. As shown in
Figure 5B, the lncGCLC was located both in the cytoplasm and the nucleus, and the expres-
sion level in the cytoplasm was higher than that in the nucleus, indicating that lncGCLC may
function as a regulator at the post-transcriptional level. Bioinformatics analysis employed
to predict miRNAs that potentially interact with lncGCLC (http://starbase.sysu.edu.cn
and http://bioinfo.life.hust.edu.cn/LNCediting, accessed on 20 December 2022) revealed
direct interactions with miR-122-5p.

To further validate interactions among lncGCLC, miR-122-5p and GCLC, we analyzed
lncGCLC and GCLC expression patterns in HCC tissue with MC exposure. Our data
suggested that lncGCLC and GCLC were lowly expressed in hepatocellular carcinoma
but also positively correlated (Figure 5C). The GCLC expression significantly decreased
in tumor tissue compared with normal liver tissue from HCC patients with MC exposure
(Figure 5D). Furthermore, the GCLC expression in the high MC exposure group was sig-
nificantly lower than those in the low MC exposure group (Figure 5E). With prolonged
exposure time, expression of miR-122-5p increased and that of GCLC mRNA decreased in
MCLR-treated cells (Figure 5F). Western blot data showed that GCLC protein expression
was gradually decreased with cell passage during MCLR-induced malignant transforma-
tion (Figure 5G,H). As shown in Figure 5I–L, the knockdown of lncGCLC significantly
upregulated the expression of miR-122-5p and suppressed MCLR-induced inhibition of
GCLC at both mRNA and protein levels.
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Figure 4. Knockdown of lncGCLC promoted the growth of MCLR-induced malignantly transformed
WRL68 cells in nude mice. Vector- or sh-lncGCLC-transfected cells were treated with or without
10 μg/L of MCLR for 25 passages. (A) Representative images of a soft agar assay (Original magnifica-
tion ×200, scale bar = 100 μm). (B) Quantification of colony formation in soft agar. (C) Tumorigenicity
test of BALB/c nude mice was performed. Solid tumors were removed after the sacrifice at 22 days.
(D) Representative image showing subcutaneous tumor size. (E) The weights of solid tumors. The
values given are mean ± SD (n = 3 for both male and female nude mice per group). (F) Tumor
volume was monitored every 3 days after injection of WRL68 cells. (G) Pathological changes of
the tumor tissue in nude mice in each group (HE stains, original magnification ×400, scale bar =
50 μm). ND—not detected. Data are presented as the means ± SD of three independent experiments
in each group. * p < 0.05 compared with the control group; # p < 0.05 compared with the sh-NC group;
† p < 0.05 compared with the sh-NC + MCLR group.

234



Toxics 2023, 11, 162

Figure 5. Verification of the interrelationships among lncGCLC, miR-122-5p, and GCLC. (A) The
mRNA expression level of neighboring genes which are located nearly 1.5 Mb downstream of
lncGCLC in lncGCLC knockdown cells. * p < 0.05 and ** p < 0.01 compared with vector control
cells. (B) The expression level of lncGCLC in the nuclear and cytoplasmic fractions of WRL68 cells.
(C) The correlation between the lncGCLC expression and the GCLC expression in HCC tissues
(n = 30). Correlation coefficient (r) and P value were calculated by Pearson correlation analysis.
(D) Comparison of GCLC expression in tumor tissue and adjacent normal tissue from HCC patients
with MC exposure (n = 30), ** p < 0.01. (E) GCLC expression in HCC patients with high MC exposure
(serum MCs ≥ 0.14 μg/L, n =17) was lower than in those with low MC exposure (serum MCs < 0.14
μg/L, n = 13), ** p < 0.01. (F) After exposure to 10 μg/L of MCLR for 0, 10, 15, and 25 passages,
expression of lncGCLC, miR-122-5p and GCLC mRNA was detected in WRL68 cells. * p < 0.05 and
** p < 0.01 compared with passage-matched control cells. (G,H) Expression of GCLC protein in P0,
P10, P15 and P25 MCLR-induced malignantly transformed WRL68 cells. ** p < 0.01 compared with
passage-matched control cells. (I) Changes of miR-122-5p in both vector- and sh-lncGCLC-transfected
WRL68 cells treated with 0 or 10 μg/L of MCLR for 25 passages. (J–L) Changes of GCLC mRNA
(J) and protein (K,L) expression in both vector- and sh-lncGCLC-transfected WRL68 cells treated
with or without 10 μg/L of MCLR for 25 passages. Data are presented as the means ± SD of three
independent experiments in each group. * p < 0.05 compared with the control group; # p < 0.05
compared with the sh-NC group; † p < 0.05 compared with the sh-NC + MCLR group.
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3.6. Knockdown of lncGCLC Reduces GSH Levels and Enhances Oxidative DNA Damages

To further test whether knockdown of lncGCLC is involved in redox regulation,
we measured the GCL activity, GSH, and 8-OHdG contents in vector- or sh-lncGCLC-
transfected cells exposed to MCLR for 25 passages. As shown in Figure 6A,B, continuous
treatment of MCLR for 25 passages led to an evident decrease in GCL activities and GSH
levels in the empty vector-transfected cells. On the contrary, the 8-OHdG levels were
increased after exposure to MCLR for 25 passages (Figure 6C). Knockdown of lncGCLC
significantly reduced GCL activities and GSH levels, and increased 8-OHdG levels.

Figure 6. Knockdown of lncGCLC reduced GSH levels and induced oxidative DNA damage in
MCLR-treated WRL68 cells. Alterations in GCL activity (A), GSH (B), and 8-OHdG content (C) in
vector- or sh-lncGCLC-transfected cells exposed to 0 or 10 μg/L of MCLR for 25 passages. Data are
presented as the means ± SD of three independent experiments in each group. * p < 0.05 compared
with the control group; # p < 0.05 compared with the sh-NC group; † p < 0.05 compared with the
sh-NC + MCLR group.

4. Discussion

Although many lncRNAs have been reported to link with liver cancer development,
little is known about their roles in MCLR-induced cell transformation. In this study, we
conducted bioinformatics analysis and identified lncGCLC, a 3653 bp transcript with-
out protein-coding potency, located on chromosome 6p12.1 (chr6: 53561289-53617007),
upstream of the GCLC gene. Zhou et al. [29] previously reported that nickel exposure
downregulated the expression of lncRNA MEG3 in a time- and dose-dependent manner,
and low lncRNA MEG3 expression was shown to promote the malignant transformation
of human bronchial epithelial cells induced by nickel. Reportedly, lncRNA-Dreh, lnc-
DILC, and lncRNA-LET are poorly expressed in HCC cell lines and tissues, and act as
tumor suppressors in the development of liver cancer [20,22,30]. We have shown that
the expression level of lncGCLC in the liver cancer cell lines HepG2 and SMMC7721 was
significantly lower than that in WRL68 cells. LncGCLC was significantly downregulated in
HCC tissues compared with the adjacent non-HCC tissues. These results indicated that the
downregulation of lncGCLC is a frequent event in liver cancer and lncGCLC may have an
anti-oncogene-like function. In this study, we found that the expression of lncGCLC was
continuously reduced during the process of MCLR-induced malignant transformation. The
knockdown of lncGCLC caused a cell cycle arrest at the S Phase, inhibited cell apoptosis,
and promoted cell proliferation, induced by MCLR. This finding implies that lncGCLC is
involved in tumorigenesis through the inhibition of cell apoptosis and accelerated cell cycle
progress, which is consistent with the knockdown of lncRNA MEG3, inhibiting apoptotic
activity [31]. In addition, we found that knockdown of lncGCLC could effectively increase
the capacities of invasion and migration of MCLR-transformed cells. More importantly,
knockdown of lncGCLC could increase the degree of malignancy in vitro and effectively
promote tumor growth in vivo. These results suggest that lncGCLC might play a pivotal
role in the regulation of MCLR-induced malignant transformation.

LncRNAs could act as sponges to compete miRNAs with mRNAs, participating in var-
ious biological processes [32]. For instance, lncRNA BCAR4 may promote the proliferation,
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migration, and invasion of liver cancer cells by directly binding to miR-1261 and targeting
the anaphase-promoting complex subunit 11 (ANAPC11) gene [33]. GCLC, the most im-
portant subunit of GCL, contains all substrate-binding sites, and catalytic activity of GCL
and plays an important role in GSH biosynthesis [34]. Mougiakakos et al. [14] reported that
the malignant phenotype of melanoma cells, including survival, invasiveness, and switch
from E-cadherin to N-cadherin expression, was found at significantly higher levels in cells
with a lower GCLC expression. Previously, we have found that GCLC expression was
progressively reduced during MCLR-induced cell transformation. Overexpression of GCLC
decreased the capacities of proliferation, migration and invasion of MCLR-transformed
cells [16]. In the present study, we found that lncGCLC exerted an inhibitory action on
carcinogenesis, similar to that exhibited by GCLC. The expressions of lncGCLC and GCLC
in human HCC tissue were significantly downregulated in the high MC exposure group.
LncGCLC expression level showed a positive relation with GCLC levels in HCC tissue.
During MCLR-induced cell transformation, the expression of lncGCLC decreased con-
tinuously, accompanied with consistent low expression of GCLC, but high expression of
miR-122-5p. Knockdown of lncGCLC significantly upregulated miR-122-5p expression,
and suppressed GCLC expression. MiR-122-5p is one of the most abundant miRNAs in
the liver, constituting 70% of all hepatic miRNAs [35]. It has been reported that the ex-
pression of miR-122-5p was significantly higher in the alpha-fetoprotein (AFP)-producing
gastric cancer tissues and plasma samples [36]. MiR-122-5p promotes aggression and
epithelial–mesenchymal transition in triple-negative breast cancer, by suppressing charged
multivesicular body protein 3 (CHMP3) through mitogen-activated protein kinase (MAPK)
signaling [37]. Therefore, we speculate that lncGCLC may regulate GCLC expression by
acting as an endogenous competitive RNA for miR-122-5p. Further studies are required to
clarify these mechanisms.

Recently, it has been reported that long non-coding RNAs are involved in the reg-
ulation of redox reactions. Zhang et al. [38] revealed that downregulation of lncRNA
MAGI2-AS3 decreased the H2O2 content and delayed cell senescence, by stabilizing the
HSPA8 protein level. LncRNA HCP5 was found to promote the stemness and chemore-
sistance of gastric cancer cells by driving fatty acid oxidation [39]. LncRNA LCPAT1 was
reported to be involved in DNA damage induced by cigarette smoke extract through the
RCC2 gene [40]. It has been shown that the GCLC primarily regulates de novo synthesis of
glutathione and is central to the antioxidant capacity of the cell [41]. In the present study,
the levels of GCL and GSH were significantly decreased in WRL68 cells after exposure to
the low concentration of MCLR for 25 passages. On the contrary, levels of 8-OHdG were
increased after exposure to MCLR for 25 passages. Knockdown of lncGCLC significantly
reduced GCL activities and GSH levels, and increased 8-OHdG levels, suggesting that lncG-
CLC may downregulate GCLC expression, reduce GSH levels, and subsequently induce
oxidative DNA damage, which may contribute to oncogenesis caused by low-level MCLR.

Among over 279 identified variants of MCs, MCLR is the most abundant and toxic.
Several studies have also found that it is rather difficult to accurately determine the vari-
ants of MCs in human serum using the method of ELISA [2,42]. Currently, the commer-
cial microcystin ELISA kit does not distinguish between MCLR and other MC variants
(microcystin-RR, -YR, etc), but detects their presence at varying degrees. In this study,
we used an ELISA method to detect serum MC levels for a rough estimation of MCLR
exposure, which may not be able to accurately assess the internal exposure level of MCLR.
Thus, there is a pronounced need to further investigate a more sensitive serum MCLR
detection method and more appropriate biomarkers in exposed populations.

5. Conclusions

In conclusion, we identified a novel lncRNA, lncGCLC, which was downregulated
in MCLR-transformed cells and tumor tissue of HCC patients. MCLR exposure-caused
lncGCLC downregulation enhanced miR-122-5p expression, suppressed GCLC expression
and GSH levels, and promoted oxidative DNA damages. Furthermore, the downregulation
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of lncGCLC enhanced cell proliferation, apoptosis resistance, migration and invasion, all of
which promote malignant transformation of liver cells (Figure 7). More importantly, the
expression of lncGCLC in human HCC tissues was significantly downregulated in the high
MC exposure group, and positively associated with GCLC level in HCC tissues. Taken
together, the current results suggest that lncGCLC plays an anti-oncogenic role in MCLR-
induced malignant transformation by regulating GCLC expression. Thus, increasing the
expression of lncGCLC by pharmacological agents may be a potential strategy to prevent
the liver carcinogenesis of MCLR.

Figure 7. Schematic diagram for the role of lncGCLC pathway in MCLR-induced malignant transformation.
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Abstract: N-nitroso compounds (NOCs) are a class of chemical carcinogens found in various environ-
mental sources such as food, drinking water, cigarette smoke, the work environment, and the indoor
air population. We conducted a systematic review and meta-analysis to investigate the links between
nitrate, nitrite, and NOCs in food and water and the risk of gastrointestinal (GI) cancers, including
esophageal cancer (EC), gastric cancer (GC), colorectal cancer (CRC), and pancreatic cancer (PC). A
systematic search of the literature in Scopus, PubMed, Google Scholar, Web of Science, ScienceDirect,
and Embase was performed for studies on the association between NOCs in drinking water and food
sources and GI cancers. Forest plots of relative risk (RR) were constructed for all the cancer sites and
the intake sources. The random-effects model was used to assess the heterogeneity between studies.
Forty articles were included after removing duplicate and irrelevant articles. The meta-analysis indi-
cated that the intake of high dose vs. low dose of these compounds was significantly associated with
the overall GI cancer risk and nitrite (RR = 1.18, 95% CI = 1.07–1.29), and N-nitrosodimethylamine
(NDMA) (RR = 1.32, 95% CI = 1.06–1.65). We found that dietary nitrite intake increased GC (RR = 1.33,
95% CI = 1.02–1.73), and EC (RR = 1.38, 95% CI = 1.01–1.89). Additionally, dietary NDMA intake
increased the risk of CRC (RR = 1.36, 95% CI = 1.18–1.58). This meta-analysis provides some evidence
that the intake of dietary and water nitrate, nitrite, and NOCs may be associated with GI cancers.
In particular, dietary nitrite is linked to GC and EC risks and dietary NDMA intake is associated
with CRC.

Keywords: neoplasms; organ; nitrate; nitrite; esophageal neoplasms; gastric neoplasms; intestinal
neoplasms; pancreatic neoplasms; organic chemicals

1. Introduction

In 2020, cancer accounted for nearly 10 million deaths and nearly one in six deaths
worldwide. Gastrointestinal (GI) cancers, with an estimation of approximately 5 million
new cases and 3.5 million deaths worldwide, accounted for half of the cancer burden in
2020 [1,2]. The age-adjusted incidence rate (ASR) and mortality rate (ASMR) were equal
to 19.5 and 9.7 per 100,000 for colorectal cancer (CRC) in both genders, respectively. The
corresponding rates were 11.1 and 7.7 per 100,000 for gastric cancers (GC), 6.3 and 5.6 for
esophageal cancer (EC), and 4.9 and 4.5 for pancreatic cancer (PC), respectively [1].

In addition to non-modifiable risk factors such as the demographic characteristics,
family history, and genetic predisposition, some preventable risk factors are well established
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for GI cancer, including tobacco smoking, alcohol consumption, H pylori infection, high
body mass index, low physical activity, and dietary factors [3–6].

The N-nitroso compounds (NOCs) are a broad class of chemical carcinogens that exist
in various environmental sources such as food, drinking water, cigarette smoke, the work
environment, and the indoor air population, although intrinsic sources are also available
for crucial needs of our bodies [7–12]. The NOCs act as alkylating agents and may react
with DNA to cause mutations leading to carcinogenicity [13–15]. N-nitrosodimethylamine
(NDMA) is one of the NOCs found in human food, predominantly in processed/cured
meats and smoked/salted fish [13]. Additionally, ingested nitrate is reduced to nitrite by
the bacterial flora in the mouth and digestive tract. Subsequently, nitrite may react with
amines, amides, and other nitrosation precursors in the gastrointestinal tract to form the
NOCs under physiological conditions [11]. The main sources of nitrate are vegetables
(beetroot, spinach, and cabbages, etc.) and the main sources of nitrite are animal foods
(processed and smoked food) [8,16]. Drinking water is another source of nitrate in most
countries, resulting from the overuse of chemicals or the improper disposal of human and
animal waste, including fertilizers, feedlots, industrial and food processing waste [9].

Several experimental and epidemiological studies have shown that nitrate, nitrite and
NDMA can affect human health [10], including an association cancer [17–22]. However,
the results on the associations between GI cancers and these compounds are inconsistent.
We performed a systematic review and meta-analysis to study the associations between the
intake of these three compounds from food and water and the risk of GI cancers, including
esophageal, gastric, colorectal, and pancreatic cancers.

2. Materials and Methods

2.1. Data Sources, Search Strategy, and Selection Criteria

The online database searches were performed in January 2022. Searches were under-
taken for English-language peer-reviewed publications on the association of nitrate, nitrite,
and NOCs and the risk of GI cancers between 1990 to the present. The databases included
Scopus, PubMed, Google Scholar, Web of Science, ScienceDirect, and Embase. The search
strategy was designed using MeSH terms like “Gastrointestinal Cancers”, “Digestive Sys-
tem Cancers”, “Organic Chemicals”, “Nitroso Compounds”, “Nitrate”, “Nitrite”,”NDMA”,
and “Epidemiologic Studies”. Based on our searches on the databases, a total of 12,750
articles were retrieved, including 4539 articles for GC, 2204 for EC, 6673 for CRC, and 2243
for PC. A total of 40 studies were included after the title, abstract, full-text evaluations, and
quality assessment [23–62] were undertaken. Figure 1 shows the PRISMA flow diagram
of the literature searches and the study selection process. The inclusion criteria were as
follows; case-control and cohort studies reporting either a relative risk (RR) or an odds
ratio (OR) for the associations between GI cancers and the consumption of nitrate, nitrite,
and NOCs from drinking water or food sources.

2.2. Data Extraction and Quality Assessment

The study screening and quality assessment were conducted by three researchers
(MSS, FT, and BS), and in the event of any discrepancies, a referee (EM) intervened. The
data extraction file contained the demographic characteristics of the article such as the
author’s name, the year of publication, the title, the type of study, the country, as well as
the design characteristics, including the sample size, the sampling method, the source of
the population, the type of controls, the type of cancer, the source of nitrate, nitrite, and
the NOCs (water/food/vegetable/fruit/all), and the method of data collection (e.g., food
frequency questionnaire). Finally, the effect size measures, including the relative risks (RRs)
for the cohort studies and the odds ratios (ORs) for the case-control studies and their 95%
CI were abstracted.
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Figure 1. Selection process for studies included in the meta-analysis for the intake of nitrate, nitrite,
and N-nitroso compounds from diet and water and the risk of gastrointestinal cancers.

2.3. Quality Assessment

Quality assessment of the included articles (case-control or cohort studies) was ac-
complished using the Newcastle-Ottawa Scale (NOS) [63]. For case-control studies, the
checklist contained the definition and selection of cases and controls, comparability, ascer-
tainment of exposure, and the method of ascertainment for the cases and the controls. The
checklist of cohort studies included the situation of the exposed and non-exposed cohort,
comparability, assessment of outcome, and the duration and adequacy of follow-up of the
cohort study. Based on the NOS, the selection score could result in a maximum of four
stars, the comparability scores a maximum of two stars, and the outcome/exposure score a
maximum of three stars [64].

2.4. Statistical Analysis

The relationships between nitrite, nitrate, or NMDA intake and the risk of GI cancers
were examined based on the effect size measurements and the corresponding 95% CIs of
each study. Because of the rare disease assumption, the ORs are assumed to approximate
the RRs [65]. Heterogeneity (Het.) among studies was evaluated by the Q test, based on
the variation across studies rather than within studies, and the I2 statistic (the percentage
of variance in a meta-analysis that is attributable to study heterogeneity) [66]. The pooled
effect of nitrate, nitrite, and NOCs, in the case of significant heterogeneity (PQ test > 0.10 and
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I2 > 60%), was estimated using a random-effects model [67]. All analyses were completed
using the STATA version 14.0 (Stata, College Station, TX, USA). Given that approximately
82% of the studies reported combined results for both genders, we focused our analysis
on these results. Due to the high variation of nitrogen types, we conducted separate
analyses on nitrate, nitrite, and NMDA intake among the studies. In order to estimate the
impact of the dose-response relationship and to describe the magnitude of the response,
we calculated the high/moderate doses of the nitrogen types and compared it to the low
dose as a reference group in each study. A stratified analysis was conducted by gender
(male and female), food sources (plant and animal), study design (case-control and cohort
studies), and sub-sites of CRC (colon and rectum). Since most studies have been conducted
in the United States (48%), stratification based on the country was ineffective. The p-value
of heterogeneity was assessed using a sub meta-analysis. Moreover, publication bias was
examined by creating a funnel plot and a regression asymmetry test [68,69].

3. Results

A total of 40 independent studies were included in the meta-analysis, including 27 case-control
studies [23–28,31,33–39,41–43,45,51,52,54–57,60,61] and 13 cohort studies [29,30,32,40,46–50,53,58,59,62].
Details on these studies were provided in Supplementary Tables S1 and S2. These stud-
ies reported a total of 13 risk estimates for CRC [34,36,42,46,49,51,53–56,59,62], 22 for
GC [23–25,27–35,38–41,44,45,47,49,50,57], seven for EC [26,35,44,47,49,50,60], and five for
PC [37,48,52,58,61]. The studies included in the meta-analysis had a minimum score of 7
out of 9 stars in the NOS.

Meta-Analysis

The meta-analysis was repeated for each cancer site based on the nitrate, nitrite,
NDMA and the source intake.

The findings revealed a statistically significant relationship between the highest vs. the
lowest level of nitrite intake from the food sources and EC risk (RR = 1.38, 95% CI = 1.01–1.89).
There were no statistically significant excess risks from the food sources of nitrate, NDMA,
or the water sources of nitrate intake. We observed significant heterogeneity for studies
of the food sources of NDMA (I2 = 80.2%, P-heterogeneity = 0.025), the food intake of
nitrate (I2 = 89.4%, P-heterogeneity = 0.000), and the food intake of nitrite (I2 = 73.8%,
P-heterogeneity = 0.004) (Figure 2). There were no significant results according to gender and
food source (plant or animal) among the nitrate and nitrite intake groups (Tables 1 and 2).

Figure 2. Forest plot (random-effects model) quantifying the relationships between NDMA, nitrite, and
nitrate intake and esophagus cancer risk stratified by sources. List of references includes: [26,44,47,50,60].
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We found a significant association between the highest vs. the lowest level of nitrite
consumption and GC (RR = 1.33, 95% CI = 1.02–1.73) (I2 = 92.2%, P-heterogeneity = 0.000). Addi-
tionally, there were significant heterogeneities for studies of the food intake of NDMA (I2 = 94.4%,
P-heterogeneity = 0.000), the food intake of nitrate (I2 = 93.2%, P-heterogeneity = 0.000), and
the water intake of nitrate (I2 = 93.5%, P-heterogeneity = 0.000) (Figure 3). We found
non-significant differences in the association of GC and nitrite and nitrate intakes stratified
for other factors (Tables 1 and 2).

Figure 3. Forest plot (random-effects model) quantifying the relationships between NDMA,
nitrite, and nitrate intake and gastric cancer risk stratified by sources. List of references
includes: [23–25,27,30,32–34,38–41,44,45,47,50,57].

The association between the highest vs. the lowest levels of nitrate, nitrite, and
NDMA and CRC risk only showed that the intake of NDMA from the food increased
the risk of CRC significantly (RR = 1.36, 95% CI = 1.18–1.58). No statistically significant
heterogeneity across studies was observed for CRC in relation to NDMA intake, but
heterogeneity was statistically significant for studies of the food nitrate intake (I2 = 73.4%,
P-heterogeneity = 0.002), the food nitrite intake (I2 = 77.2%, P-heterogeneity = 0.001), and
the water intake of nitrate (I2 = 98%, P-heterogeneity = 0.000) (Figure 4). Stratified analyses
according to the study type, the gender, the topography and the food sources (plant, animal)
revealed no significant differences due to these variables (Tables 1 and 2).
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Figure 4. Forest plot (random-effects model) quantifying the relationships between NDMA, nitrite, and nitrate
intake and colorectal cancer risk stratified by sources. List of references includes: [32,36,42,43,46,53–56,59,62].

We found no significant associations between PC in the highest vs. the lowest levels
of nitrate, nitrite, and NDMA. However, we observed significant heterogeneity for the
food intake of nitrate (I2 = 80.7%, P-heterogeneity = 0.000), and nitrite (I2 = 93.5%, P-
heterogeneity = 0.000) (Figure 5). No significant differences were found by study types,
genders, topographies, and food sources (plants, animals) (Tables 1 and 2).

Figure 5. Forest plot (random-effects model) quantifying the relationships between NDMA, nitrite, and
nitrate intake and pancreatic cancer risk stratified by sources. List of references includes: [37,48,52,58,61].
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4. Discussion

We found limited high-quality research on nitrate, nitrite, NOCs, and cancer risk,
most likely due to the difficulty of quantifying these compounds from different sources
worldwide. Despite this limitation, the literature suggests that dietary and water sources
may be risk factors for GI cancers, in particular, nitrate intake from water sources and diet
for CRC, nitrite intake from diet for GC, and NDMA intake for CRC and EC [14,15,56,59,70].

Nitrate and nitrite as precursors of the NOCs (e.g., NDMA) are suspected of playing a
key role in cancer carcinogenesis through the induction of DNA-damaging metabolites, like
aldehydes and alkyldiazonium ions, which could cause cancerous lesions in cells [14–16,58,70].
Several in vivo and epidemiological studies reported that different factors might contribute
to the carcinogenic effect of nitrate, nitrite, and NOCs, including the dose and the type of
the compounds, the cancer sub-site, the morphology of the tumor, the type of diet source
(animal, plant, or water), the gender, the exposure time, the cooking methods, the effect
of seasonal rainfall on water composition and the different fertilizer compounds used in
different areas [62]. For example, consuming fresh fruits and vegetables high in vitamins,
essential minerals, and antioxidants such as vitamins C and E, as well as reducing meat,
fatty foods, and processed foods were found to improve health. This may be important in
modifying any harmful effects of dietary nitrates and nitrites on particularly susceptible
tissues in the digestive system [58,71].

There was heterogeneity in the study designs and the methodologies, which may
explain the differences in the results of the published studies. The high heterogeneity
observed in our meta-analyses may be due to the variety of confounders used in the
models as well as the differences between the study settings, the population characteristics,
the compound ranges, and the estimation methods. Except for age and gender, other
confounders were less consistently controlled for, particularly dietary factors and specific
risk factors, such as H pylori infection in the GC studies [72].

4.1. Esophageal Cancer

The number of reviews for EC was limited. A meta-analysis study by Lie et al. [19]
in 2016 found no significant association between dietary nitrite and nitrate and EC, and a
study conducted by Essien et al. [18] in 2020 reported similar results based on water nitrate.
We found that dietary nitrite and animal sources of nitrate were positively associated with
a higher risk of EC, but NDMA was not associated with EC. These results may indicate that
the source and the amount of the intake are important determinants of cancer risk. Animal
sources of food (mainly processed meats) contain amines and amides that are necessary
precursors for endogenous nitrosation [19]. Although other sources like vegetables may
contain these compounds, they are also rich in antioxidants, which may decrease their
harmful effect and explain their protective role in cancer risk [71].

4.2. Gastric Cancer

In 2016, Lie and others found an inverse association between dietary nitrate consump-
tion and GC, and a borderline association between dietary nitrite consumption and GC [19].
In 2015, Peng Song et al. [22] found that nitrates from the diet can reduce GC risk, but ni-
trites and NDMA increased the risk. Fei-Xiong and colleagues reported that dietary nitrate
decreased, and nitrite intake increased GC risk [21]. A meta-analysis carried out in 2020 by
Essien et al. found no significant association between water-source nitrate intake and GC
risk. [18]. In the present study, we found that dietary nitrite intake increased the risk of GC,
but the associations were not significant for all kinds of dietary and water sources of nitrate
and NDMA intake. Unexpectedly, we reported a significant inverse association between
dietary nitrate and GC in males. In addition to the source of compounds, other GC risk
factors such as H.pylori infection may increase the NOCs product level and increase the risk
of GC [39].
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4.3. Colorectal Cancer

Previous studies on association between the NOCs and CRC are inconsistent. In 2016,
one systematic review reported that dietary nitrite/nitrate intake was not significantly
linked with CRC [19], however, another review in 2020 reported that dietary nitrate con-
sumption was linked to a higher risk of CRC [18]. However, the intake of dietary nitrite
and nitrate from the drinking water was not associated with CRC risk. Another review in
2020 revealed that nitrate from water sources was significantly associated with CRC [20].
Our study showed that dietary NDMA intake increased the risk of CRC, but nitrite and
nitrate sources were not significantly associated with CRC. The possible reasons for the
association between NDMA and CRC may relate to the main source of intake, including
meats, particularly bacon, hot dogs, and sausage, which are naturally high in amines. The
association may be explained by the synergy between NDMA and amine groups which are
found in protein structures [54].

4.4. Pancreatic Cancer

None of the previous reviews reported a significant relationship between dietary
or water intake of nitrate, nitrite, and NDMA and the risk of PC [18,19]. Our results of
the relation between water and dietary sources of nitrate, nitrite, and NDMA showed no
significant association with PC.

The geographical distribution of the studies plays an important role in achieving
reliable results. A majority of the studies included in our review were conducted in Europe
(30%) and North America (48%), and we found no reliable studies from low- and middle-
income countries (LMICs). As a result, our findings cannot be generalized to LMICs,
where the amounts of nitrate, nitrite, and NOCs may vary based on the dietary patterns, the
cooking methods, the water sources, the effect of seasonal rainfall on water compounds, and
the fertilizer compounds [73]. Also, most studies on the water sources were of ecological
design and therefore were not included in our analysis. A small number of studies in
relation to several exposure/outcome combinations, and high heterogeneity in most of our
meta-analyses were additional limitations. Furthermore, possible residual confounding
like consuming diets and lifestyle factors and inadequate adjustment in several studies
might have hampered the results of the published studies. However, the present systematic
review and meta-analysis have several important strengths. We included the most updated
articles that reported the associations for GC, EC, CRC, and PC exclusively. We also studied
different sources of nitrate, nitrite, and NOCs (i.e., animal, plant, and water sources) intake.

5. Conclusions

In conclusion, our meta-analysis shows modest evidence on the association between
dietary and water nitrate, nitrite, and NOCs intake and certain types of GI cancer risk. The
dietary intake of nitrite is associated with GS and EC and the dietary NDMA intake is
associated with CRC. In future studies, the influence of different compound types on cancer
should be explored by considering the source intake, and gender differences, particularly
in less studied geographical regions.
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Abstract: Methylmercury (MeHg) is a global pollutant with established toxic effects on the central
nervous system (CNS). However, early events and early-warning biomarkers of CNS damage follow-
ing exposure to low-dose MeHg are still lacking. This study aimed to investigate whether subchronic
low-dose MeHg exposure had adverse effects on the cerebral telomere length, as well as serum mela-
tonin and its urinary metabolite 6-sulfatoxymelatonin (aMT6s) in rats. Sixteen male Sprague Dawley
rats were divided into two groups. Group I was the control group. In group II, rats were exposed to
MeHg by gavage at a dose of 0.1 mg/kg/day for 3 months. This study revealed that MeHg exposure
resulted in impairment of learning and memory ability, a slightly reduced number of neurons and
an irregular arrangement of neurons in the hippocampus. It also significantly accelerated telomere
shortening in the cerebral cortex, hippocampus and hypothalamus. Moreover, MeHg exposure
decreased the levels of melatonin in serum and aMT6s in urine, partly by suppressing the synthesis
of 5-hydroxytryptamine (5-HT) in the brain but promoted the expression of melatonin-catalyzing
AANAT and ASMT. Importantly, cerebral telomere length was positively correlated with MT and
aMT6s after MeHg exposure. These results suggested that the shortened telomere length in the brain
may be an early event in MeHg-induced CNS toxicity, and the level of aMT6s in urine may serve as
an early-warning biomarker for MeHg-induced CNS damage.

Keywords: methylmercury; telomere shortening; melatonin; 6-sulfatoxymelatonin; 5-hydroxytryptamine

1. Introduction

Mercury is known to be a widespread environmental contaminant and one of the most
toxic heavy metals detectable in the environment [1]. Even at low concentrations, mercury
exposure can cause a variety of health problems [2,3]. It has been widely used in metallurgy,
scientific measuring instruments (such as thermometers and barometers), dental amalgam
fillers and other manufacturing activities, and can enter the human body in various ways,
such as the atmosphere, soil, water and food [4,5], seriously threatening human health.
Methylmercury (MeHg) is one of the most toxic forms of mercury, with particularly adverse
effects on the central nervous system (CNS). Subchronic MeHg exposure has been reported
to affect brain development and cause motor and cognitive impairments in children, as well
as neurological damage and neurodegenerative disease in adults [6–8]. Nervous system
damage caused by MeHg is related to the fact that the brain is a highly oxygen-consuming
organ and, therefore, more prone to oxidative stress [9]. Moreover, MeHg can also reduce
the antioxidant activity of cells by interacting directly with antioxidants or selenium [10].

Telomeres are sequences of genes found at the ends of chromosomes and are responsi-
ble for maintaining genome integrity [11]. A shorter telomere length predicts an increasing
risk of disease [12]. An increasing body of evidence suggests that the shortened telomere
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length may reflect the adverse health effects of environmental pollutants [13,14]. Studies
have shown that the generation of reactive oxygen species and consequent oxidative stress
is an important toxic mechanism of MeHg [4]. Excessive oxidative stress can induce telom-
ere damage, especially to the repetitive series structure, which is rich in base G and causes
telomeres to break and shorten under non-replication conditions [15]. However, whether
MeHg has a negative effect on cerebral telomere length is unclear.

Melatonin is a neuroendocrine hormone that is primarily synthesized in the pineal
gland and mainly synthesized by 5-hydroxytryptamine (5-HT) under the continuous cataly-
sis of arylalkylamine-N-acetyltransferase (AANAT) and acetylserotonin O-methyltransferase
(ASMT) [16,17]. It is a powerful endogenous antioxidant that is effective in preventing
oxidative-stress-induced cellular oxidative damage [18]. Importantly, melatonin, when
synthesized under physiological conditions with a circadian rhythm, has been shown to
have a protective effect regarding mercury-induced CNS damage [19–21]. Therefore, it is
significant to investigate the potential impact of MeHg on endogenous melatonin secretion
for the prevention and treatment of MeHg-induced CNS damage.

Melatonin synthesis and secretion are reflected by detecting melatonin levels in pe-
ripheral blood; this collection is difficult and invasive. In vivo, melatonin is catalyzed into 6-
hydroxymelatonin by liver microsomal hydroxylase, and nearly 60–80% of 6-
hydroxymelatonin binds to sulfate to form 6-sulfatoxymelatonin (aMT6s) [22]. At present,
there is a growing body of evidence suggesting that urinary aMT6s levels could reflect
the circulating melatonin level [23,24]. Thus, melatonin secretion can also be evaluated by
detecting the urinary aMT6s level.

Therefore, this study aimed to investigate the adverse effect of subchronic low-dose
MeHg exposure on CNS and its underlying mechanism in rats, including cerebral telomere
length and melatonin secretion level, and to analyze the association between urinary aMT6s
level and cerebral telomere length. This study provides evidence of urinary aMT6s level
as an effective early-warning biomarker to assess MeHg-induced CNS damage, as well
as providing insight regarding the prevention of CNS damage in populations exposed
to MeHg.

2. Materials and Methods

Warning: The use of methyl mercury is extremely hazardous and requires special
precautions during handling to reduce the risk of harm.

2.1. Animals and Experimental Design

Male Sprague Dawley rats weighing 180–200 g were purchased from and maintained in
the Experimental Animal Center of Guizhou Medical University (Guiyang, China) The rats
were provided with commercial feed obtained from Henan Huanyu Hekang Biotechnology
Co., Ltd (Anyang, China). The feed contained corn, fish meal, flour, vegetable oil, vitamins
and trace elements, amino acids, etc. During the feeding process, the rats drank and
ate ad libitum under a 12-h light/12-h dark cycle; the temperature of the rats’ housing
environment was 22 ± 2 ◦C. All animals were acclimatized to the facility for 7 days before
the experiment began. Sixteen rats were divided into two groups, with eight rats in each
group: a control group and MeHg exposure group. The MeHg (CH3HgCl, Sigma-Aldrich,
Helsinki, Finland) was administered by gavage at a dose of 0.1 mg/kg/day (equivalent to
0.116 mg/kg/day of CH3HgCl). The dose of MeHg (0.1 mg/kg/day) was selected based on
a previous study of the daily MeHg ingestion by Brazilian Riparian communities exposed to
MeHg through contaminated fish intake [25]. Although the dose is not exactly comparable
to that in fish-eating communities, it is much more representative of environmental MeHg
exposure than traditional studies of the effects of MeHg exposure in animals. Exposure
lasted 3 months, which is representative of subchronic exposure in rats.

During the experiments, the weights of rats were recorded weekly. Rat urine was
collected at 19:00–22:00/22:00–1:00/1:00–4:00/4:00–7:00 time periods for aMT6s analysis
one week before the rats were sacrificed. After feeding for 3 months, rats were anesthetized
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with 3% pentobarbital sodium, and blood samples were taken from the heart. Half of
each rat’s blood was collected and placed in the anticoagulant tube to detect Blood-Hg
concentrations; the rest was placed in a non-anticoagulant tube, which was stored at room
temperature for 1 h and centrifuged for 20 min at 1000× g at 4 ◦C; then, the supernatant
was removed to test the serum melatonin level. Pineal glands were homogenized to detect
the mRNA level of AANAT and ASMT. Rat brains were weighed, washed and dissected
into two portions. The brain somatic index was calculated using the formula (100 × [brain
weight (g)/body weight (g)]). Half of the brain was fixed in 4% paraformaldehyde solution
for later histological analysis. The rest of the brain tissue was separated into three portions
(cortex, hippocampus and hypothalamus), half of each portion was used to detect telomeres,
and the other half was used to detect the level of 5-HT.

All experiments and procedures associated with this study were performed in accor-
dance with guidelines for animal care and use and approved by the ethics committee of the
Guizhou Medical University (Ethics No. 2200493).

2.2. Morris Water Maze

Behavioral testing was performed using the Morris water maze. The assay was
performed based on the methods reported in a previous study [26]. The black circular pool
(120 cm in diameter and 60 cm in height) was filled with tap water (22 ± 1 ◦C) until the
escape platform (10 cm diameter) was 2 cm below the surface.

Positioning and navigation experiment: First, the pool was divided into four quad-
rants; the platform was located in the fourth quadrant, 2 cm below the water level. The
time provided to the rat to find the hidden platform was 120 s, and if it failed, it was gently
guided to the platform and was allowed to remain there for 20 s. The training lasted for
4 days. Space search experiment: On the 5th day, the platform was removed, one quadrant
was chosen, and the rat surface wall went into the water. In the absence of the platform,
the time taken and the first time reached the platform of the rats were recorded.

2.3. ELISA

After adding RIPA lysis buffer, the cortex, hippocampus and hypothalamus tissue
were, respectively, placed into the grinder to be grinded. The supernatant was taken, and
total protein concentration was determined with the BCA kit (Solarbio, Beijing, China). The
sample was diluted with PBS to ensure that the total protein in each test hole of 5-HT did
not exceed 0.3 mg. The urine collected at each time was centrifuged at 4000 rpm for 10 min,
and the supernatant was then taken. MT levels (Elabscience, Wuhan, China) in serum,
aMT6s levels (RunYu, Shanghai, China) in urine and 5-HT levels (FineTest, Wuhan, China)
in brain were measured using commercially available enzyme-linked immunosorbent assay
(ELISA) kits according to the manufacturer’s instructions.

2.4. Hematoxylin–Eosin (HE) Staining

After fixation with 4% paraformaldehyde for 24 h, the brain tissue was embedded in
paraffin and sliced to 4 μm. Paraffin sections were dewaxed twice in xylene, dyed with
hematoxylin solution and washed with distilled water to remove floating color. The differ-
entiation solution was rinsed twice with tap water after differentiation. Then, each section
was dyed with eosin solution, dehydrated with anhydrous ethanol, made transparent with
xylene, and sealed with a neutral gum. The images were obtained using a microscope
(Nikon Eclipse E100, Tokyo, Japan).

2.5. Nissl Staining

The fixed brain tissue was washed with running water and immersed in paraffin for
embedding. Slice thickness was 5 μm, and slicers were dewaxed to water. The sections
were placed in Cresyl violet stain, and the dye tank was immersed in a 56 ◦C box for 1 h.
Each section was placed in Nissl Differentiation for a few seconds (until the background
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was nearly colorless). Each section was dehydrated, made transparent and sealed. Image
acquisition was finished using a microscope (Nikon Eclipse E100, Tokyo, Japan).

2.6. Determine Blood-Hg Concentrations

Whole-blood samples were taken and placed in a 25 mL borosilicate glass colorimetric
tube. Then, 5 mL of HNO3 was added, acid-treated glass spheres were placed in the
colorimetric tube, and samples were digested in water bath at 95 ◦C for 3 h. After cooling,
a small amount of ultra-pure water was added first, and then 0.5 mL of BrCl was added.
About 24 h later, 2–3 drops of NH2OH·HCl solution were added to create yellow recede,
and ultra-pure water was added at a constant volume to 25 mL. The method was reduced by
SnCl2 and determined by cold atomic fluorescence spectrometry (AF-630A, Beijing, China).

2.7. Real-Time Quantitative PCR

Total RNA was extracted from the pineal tissue using TRIzol reagent (Invitrogen,
Carlsbad, CA, USA), according to the manufacturer’s instructions. Complementary DNA
was synthesized using a RevertAid First Strand cDNA Synthesis Kit (Thermo Fisher
Scientifific, Vilnius, Lithuania). qPCR for AANAT, ASMT and GAPDH was performed
using a Real-Time PCR Detection System. Primer sequences used for qPCR were as follows:
forward AANAT 5′-GTG GCT GCT GAC CCA AG-3′, reverse AANAT 5′-TGC TGT CTC
CCT TCA TGC T-3′, forward ASMT 5′-GTG CCT GCG TGG AGT TG-3′, reverse ASMT
5′-CCA TGA CCC TGT GAC CCT-3′, forward GAPDH 5′-TCT CTG CTC CTC CCT GTT
C-3′, and reverse GAPDH 5′-ACA CCG ACC TTC ACC ATC T-3′. PCR amplifications were
performed in a total volume of 20 μL using SuperReal PreMix (SYBR Green) (Tiangen) with
an iCycler thermal cycler (Bio-Rad, CFX96TM Optics Module). The gene expression level
was calculated using the 2−ΔΔCt method, and the relative AANAT and ASMT level was
normalized to that of GAPDH.

2.8. Genomic DNA Isolation and Telomere Length Analysis

Genomic DNA was extracted from the PBMCs isolated from whole blood using
TIANamp Genomic DNA Kit (Tiangen, Beijing, China). DNA concentration was measured
using the microplate reader. Samples were diluted to a final concentration of 25 ng/1.5 μL
to measure telomere length. qPCR was performed using SuperReal PreMix (SYBR Green)
(Tiangen, Beijing, China). Primers used were as follows: forward TEL 5′-GGT TTT TGA
GGG TGA GGG TGA GGG TGA GGG TGA GGG t-3′, reverse TEL 5′-TCC CGA CTA TCC
CTA TCC CTA TCC CTA TCC CTA TCC CTA-3′, forward AT1 5′-ACG TGT TCT CAG
CAT CGA CCG CTA CC-3′, and reverse AT1 5′-AGA ATG ATA AGG AAA GGG AAC
AAG AAG CCC-3′. The relative telomere length was measured by comparing the ratio of
telomere repeat copy number (T as Tel1) and single gene copy number (S as AT1), expressed
as telomere length (T/S) ratio. Each individual value obtained by qPCR was processed
through the formula T/S = 2−ΔCt, where ΔCT = CTtelomere − CTAT1. This ratio was then
compared with the ratio of the reference DNA. Each DNA sample collected was measured
in duplicate.

2.9. Statistical Analysis

For parametric data, an unpaired Student’s t-test was used when there were two
groups. For nonparametric data, a Mann–Whitney test was performed when there were
two groups. The Spearman correlation coefficient test was used to analyze the correlation
between all parameters. The data were expressed as mean ± standard deviation (SD).
Differences between groups were considered significant at p < 0.05. Statistical analyses
were performed using GraphPad Prism software (version 6.0; GraphPad Software Inc., San
Diego, CA, USA).

258



Toxics 2023, 11, 191

3. Results

3.1. Influence of MeHg on Blood Mercury Concentration and Brain Somatic Index in Rats

To determine the internal load of MeHg in rats, the blood mercury concentration
was detected. Compared with the control group, MeHg exposure for 3 months induced a
significant increase in the mercury concentration in rat blood (p < 0.05; Figure 1A). To assess
the effect of MeHg on body growth and brain development, the body weight and brain
weight were measured. The body weight of MeHg-exposed rats was significantly lower
than that of the control group from the 10th week (p < 0.05; Figure 1B). MeHg exposure
did not show an obvious effect on brain weight (p > 0.05; Figure 1C) but increased brain
somatic index (p < 0.05; Figure 1D).

Figure 1. Impact of 0.1 mg/kg/day MeHg exposure for 3 months on mercury concentrations in blood
(A), body weight (B), brain weight (C) and brain somatic index (D) in rats. Blood-Hg, blood mercury
concentration; MeHg, methylmercury. The data are expressed as mean ± SD for eight rats per group.
ns, no significance compared to the control group, p > 0.05. * p < 0.05, significant difference compared
to the control group.

3.2. The Effect of MeHg on Spatial Learning and Memory in Rats

To explore the impacts of MeHg on spatial learning and memory, Morris water maze
tests were performed. There was no statistically significant difference between the escape
latency result of the two groups (p > 0.05; Figure 2A). The probe test was performed on
the last day of MeHg exposure. The results showed that MeHg-treated rats spent less
time in the target quadrant than the control group (p < 0.05; Figure 2B), but the difference
in swimming speed between the two groups was not statistically significant (p > 0.05;
Figure 2C). However, MeHg significantly decreased the frequency of entering the target
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quadrant (p < 0.05; Figure 2D). These results suggest that subchronic low-dose MeHg
exposure could impair spatial memory performance in rats.

Figure 2. The influence of MeHg exposure on spatial learning and memory in the Morris water
maze, including the escape latencies of the groups during the training trials (A), time spent in target
quadrant (B), swimming speed (C), and the frequency of entering the target quadrant (D). The data
are expressed as mean ± SD for eight rats per group. ns, no significance compared to the control
group, p > 0.05. * p < 0.05, significant difference compared to the control group.

3.3. Impact of MeHg on Pathological Morphology and Telomere Length of Rat Brain Tissue

HE-staining and Nissl-staining results showed that, in the control group, the morphol-
ogy of CA1 and CA3 region in hippocampus was regular and well-organized (Figure 3A).
However, in the MeHg exposure group, the layer of pyramidal cells was slightly thinner
in the CA1 and CA3 regions of the hippocampus (Figure 3A), and the number of neurons
in the CA1 and CA3 regions of the hippocampus were slightly reduced and showed an
irregular arrangement (Figure 3B). Histograms of the Nissl body counts in the hippocampus
quantified from Nissl staining analysis (Figure 3C). The telomere length in cerebral cortex,
hippocampus and hypothalamus were significantly shortened after exposure to MeHg
compared with the control (p < 0.05; Figure 3D–F).
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Figure 3. The influence of MeHg exposure on pathological morphology of rat brain tissue detected
by HE staining (A) and Nissl staining (B,C) as well as the telomere length in cerebral cortex (D),
hippocampus (E) and hypothalamus (F). The pyramidal cells in the regions indicated by black arrows
was decreased and showed an irregular arrangement. The data are expressed as mean ± SD for eight
rats per group. * p < 0.05, significant difference compared to the control group.

3.4. MeHg-Induced Alterations in the Levels of Serum Melatonin and Urinary aMT6s in Rats

The serum level of melatonin in the rats was significantly decreased after MeHg
exposure for 3 months (p < 0.05; Figure 4A). To further illustrate the impact of MeHg on
melatonin metabolism, the aMT6s level in the urine was measured. The results showed
that the urinary aMT6s level in rats was also statistically significantly declined in the
MeHg-exposure group compared to the control group (p < 0.05; Figure 4B).

Figure 4. Impact of MeHg exposure on serum melatonin (A) and urinary aMT6s (B) in rats. MT,
melatonin. The data are expressed as mean ± SD for eight rats per group. * p < 0.05, significant
difference compared to the control group.
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3.5. Influence of MeHg on the Expression of Melatonin Synthetase and 5-HT

To elucidate the cause of declining serum melatonin levels under low-dose MeHg
exposure, we further detected the expression of melatonin synthetase in the hippocam-
pus and 5-HT in selected brain regions. The results showed that the mRNA expression
levels of melatonin-catalyzing enzymes AANAT and ASMT in the pineal tissue of rats
were increased in the MeHg-exposure group compared to the control group (p < 0.05;
Figure 5A,B). The 5-HT level in the cerebral cortex and hippocampus (p < 0.05; Figure 5C,D)
was significantly decreased, but there was no obvious difference in the hypothalamus
(p > 0.05; Figure 5E) after exposure to MeHg when compared with the control.

Figure 5. The influence of MeHg exposure on AANAT (A) and ASMT (B) mRNA expression level and
in hippocampal tissue and 5-HT level in cerebral cortex (C), hippocampus (D) and hypothalamus (E).
The data are expressed as mean ± SD for eight rats per group. ns, no significance compared to the
control group, p > 0.05. * p < 0.05, significant difference compared to the control group.

3.6. Correlations of the Level of Serum Melatonin and Urinary aMT6s with Cerebral Telomere
Length in Rats

To elucidate the possible causal relationship between cerebral telomere shortening
and declined levels of serum melatonin and urinary aMT6s, a correlation analysis was
conducted. The results of the correlation analysis showed a positive correlation between
serum melatonin level and telomere length in the cerebral cortex, hippocampus and hy-
pothalamus (p < 0.05; Figure 6A–C) in the two experiment groups (n = 16). There was also a
positive correlation between urinary aMT6s level and telomere length in the cerebral cortex,
hippocampus and hypothalamus (p < 0.05; Figure 6D–F) in the two experiment groups
(n = 16).
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Figure 6. Correlations of serum melatonin and urinary aMT6s level with cerebral telomere length in
rats. The serum levels of melatonin were positively correlated with telomere length in cerebral cortex
(r = 0.5652, p < 0.05), hippocampus (r = 0.5467, p < 0.05) and hypothalamus (r = 0.5115, p < 0.05) (A–C),
and the urinary levels of aMT6s were positively correlated with telomere length in cerebral cortex
(r = 0.6485, p < 0.05), hippocampus (r = 0.5917, p < 0.05) and hypothalamus (r = 0.5583, p < 0.05) (D–F).

3.7. The Hypothesis of Adverse Impacts of MeHg on Cerebral Telomere Length and Causal
Relationship with Reduced Melatonin Synthesis and Metabolites

As shown in Figure 7, these results indicate that subchronic low-dose MeHg exposure
could cause neuronal damage and telomere shortening, resulting in decreased neuronal
synthesis of 5-HT, which, in turn, reduces the level of melatonin synthesis and secretion, as
well as the level of aMT6s in urine.
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Figure 7. Proposed model of adverse impacts of MeHg on cerebral telomere length and causal
relationship with reduced melatonin synthesis and metabolites. The blue dots indicate 5-HT, the blue
triangles indicate melatonin and the blue squares indicate aMT6s.

4. Discussion

MeHg exposure has been identified as a neurotoxic substance [27] and a risk factor
for neurodegenerative disease in humans [7]. Despite knowledge of the adverse effects of
high-dose MeHg exposure on the CNS, evidence of the neurotoxic effects of low-dose and
continual MeHg exposure is limited. In addition, there is a lack of effective early-warning
biomarkers to assess low-dose MeHg-induced CNS damage.

The neurotoxic effects of MeHg may be significantly related to the exposure dose.
Previous studies have indicated that MeHg exposure at high doses (≥1 mg/kg/day)
induces neurodevelopmental toxicity and behavioral disorders [28,29]. Valentini and
Grotto showed that subchronic MeHg exposure at low doses (0.1 mg/kg/day) decreased
the activities of butyrylcholinesterase and antioxidant enzymes in plasma [30,31]. In
the present study, subchronic MeHg exposure at dose of 0.1 mg/kg/day decreased the
frequency of entering the target quadrant and spending time in the target quadrant in
Sprague Dawley rats undergoing a Morris water maze experiment. However, the escape
latency showed no statistical significance between the two experimental groups, as shown
in Figure 2. Furthermore, low-dose MeHg exposure reduced the number of neurons in
hippocampal CA1 and CA3 regions slightly and affected neuronal arrangement in rats.
These results suggest that subchronic low-dose MeHg exposure induces a kind of early and
indiscoverable neurotoxic effect.

Telomere shortening is a hallmark of cell senescence [32]. However, accelerated
telomere shortening and cell senescence in brain cells has been associated with several
neurodegenerative diseases, including Parkinson’s and Alzheimer’s diseases [33–35]. In-
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vestigating the effect of MeHg on the telomere length of brain cells may provide a basis for
the prevention of neurological diseases. Although an epidemiological study has shown
that MeHg exposure was not associated with leukocyte telomere length in both mothers
and their children [36], an animal study revealed that MeHg reduced the expression of
telomerase reverse transcriptase (TERT) in mice brains [37]. Our results further suggest
that low-dose MeHg exposure for 3 months could significantly reduce the telomere length
in the cerebral cortex, hippocampus and hypothalamus in rats. Therefore, the shortened
telomere length of brain cells may be an important early manifestation of CNS damage
induced by MeHg at low levels.

Melatonin is an important endogenous hormone secreted by the pineal gland [16].
Numerous studies have shown that exogenous melatonin could antagonize mercury-
induced neurotoxicity [19–21]. To date, however, the effect of MeHg on endogenous
melatonin secretion is unknown. In general, the level of serum melatonin was a good
indicator, reflecting the secretion of melatonin and, hence, the need to detect the level of
serum melatonin. Our results showed that the serum melatonin level in rats exposed to
MeHg was significantly lower than those in the control group, indicating that low-dose
MeHg may inhibit endogenous melatonin synthesis.

There is a growing body of evidence suggesting that the level of aMT6s in urine could
reflect the circulating melatonin [23,24]. In addition, detection biomarkers in urine are
non-invasive and more readily available compared to blood; therefore, we further examined
the effect of MeHg exposure on the level of melatonin urinary metabolite aMT6s. Previous
research has shown that the level of aMT6s in urine reached a peak at 22:00–1:00 a.m.
in rats [38,39]. We examined urinary aMT6s levels in four consecutive time periods in
rats. In accordance with previous studies, the results showed that the aMT6s level at
22:00–1:00 a.m. was the highest and then declined. Moreover, the urinary aMT6s level in
the MeHg-exposure group was lower than that in the control group at the four selected
time periods. Therefore, aMT6s level in urine may reflect the circulating melatonin level
and melatonin secretion to some extent following MeHg exposure.

To explain the reason for the decline in melatonin secretion induced by MeHg, we
focused on two aspects. On the one hand, studies have demonstrated that AANAT and
ASMT are two key catalyzing enzymes in the synthesis of melatonin [40] and can catalyze
the synthesis of 5-HT into melatonin [41]. Thus, the effect of MeHg on the expression of
AANAT and ASMT was detected in the pineal gland. Contrary to expectation, however,
the expression of both enzymes increased rather than decreased under MeHg exposure. It
is speculated that the increased expression of AANAT and ASMT may be related to the
decreased level of melatonin through a type of negative feedback regulation. On the other
hand, previous studies have shown that MeHg exposure caused a marked reduction in
5-HT in rat brains [42,43]. The expression of 5-HT in rat brain tissue was further detected. In
accordance with previous studies, our results showed that 5-HT level in the cerebral cortex
and hippocampus significantly decreased but that there was no obvious difference in the
hypothalamus after exposure to MeHg. Since 5-HT was primarily synthesized in neurons
and concentrated in synapses in the CNS [44], we hypothesized that the MeHg-induced
decline in 5-HT could be attributed to neuronal damage.

Based on the above findings, it was speculated that there may be a correlation between
neuron damage and the secretion and metabolism of melatonin under MeHg exposure.
Therefore, the correlation between brain tissue telomere length and the level of serum
melatonin and aMT6s in urine at peak time (namely, 22:00–1:00 a.m.) was further analyzed.
The results showed that the telomere lengths of the three brain regions were all positively
correlated with the level of serum melatonin and urinary aMT6s, suggesting that aMT6s in
urine may act as an early sensitive indicator of the CNS damage caused by MeHg.

5. Conclusions

Taken together, this study reveals that subchronic low-dose MeHg exposure accel-
erated cerebral telomere shortening in rats. Moreover, low-dose MeHg exposure led to
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declines in melatonin synthesis and metabolism, possibly due to the reduced 5-HT synthe-
sis as a result of neuronal damage. Importantly, the urinary aMT6s level was positively
correlated with a shortened cerebral telomere length, indicating that urinary aMT6s may be
an early-warning biomarker to assess low-dose MeHg-induced CNS damage. This study
will provide insight into the prevention of CNS damage for populations exposed to MeHg.
As the results were from animal experimental research, the association between the degree
of CNS damage and urinary aMT6s level in populations exposed to environmental MeHg
needs further investigation.
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Abstract: As an effective herbicide, 1, 3, 5-Triazine herbicides (S-THs) are used widely in the pesticide
market. However, due to their chemical properties, S-THs severely threaten the environment and
human health (e.g., human lung cytotoxicity). In this study, molecular docking, Analytic Hierarchy
Process—Technique for Order Preference by Similarity to the Ideal Solution (AHP-TOPSIS), and a
three-dimensional quantitative structure-active relationship (3D-QSAR) model were used to design
S-TH substitutes with high herbicidal functionality, high microbial degradability, and low human
lung cytotoxicity. We discovered a substitute, Derivative-5, with excellent overall performance.
Furthermore, Taguchi orthogonal experiments, full factorial design of experiments, and the molec-
ular dynamics method were used to identify three chemicals (namely, the coexistence of aspartic
acid, alanine, and glycine) that could promote the degradation of S-THs in maize cropping fields.
Finally, density functional theory (DFT), Estimation Programs Interface (EPI), pharmacokinetic, and
toxicokinetic methods were used to further verify the high microbial degradability, favorable aquatic
environment, and human health friendliness of Derivative 5. This study provided a new direction for
further optimizations of novel pesticide chemicals.

Keywords: triazine herbicides; cleaner production; 3D-QSAR; molecular docking; molecular dynam-
ics; microbial degradation pathways; field application program

1. Introduction

Triazine herbicides (THs) have long held an important position in the pesticide market.
They are applied primarily to maize cropping fields [1], owing to their broad spectrum,
high performance, and low cost [1], but they also have high toxicity, environmental per-
sistence, and endocrine disrupting effect [1,2]. THs target the D1 protein (D1-PSII) of the
photosynthetic system II (PSII) and act as herbicides by inhibiting plant photosynthesis [3].
However, only 10–30% of THs are currently absorbed by target plants or adsorbed by soil
particles, with the majority polluting water bodies, such as surface water, via surface runoff
and irrigation, eventually reaching the ocean [4]. In 2020, the US Environmental Protection
Agency (EPA) designated atrazine (ATZ), promazine, and simazine as pesticides “likely to
adversely affect (LAA)” in species and ecosystems [5]. Furthermore, the introduction of
bans or restrictions on the use of 1, 3, 5-Triazine herbicides (S-THs) in the EU, Ulaanbaatar,
Nigeria, and India highlights the continued residues and biohazards of S-THs in the envi-
ronment [6]. The continuing residues and biohazards of S-THs in the environment have
attracted widespread attention.

S-THs are highly persistent in soil and aqueous sediment environments, with half-lives
of 4–12 weeks for prometryne (PRT) [7] and 4–57 weeks for ATZ in soil environments,
respectively [8]. In addition, S-THs can pollute the aquatic environments through rainfall,
irrigation, and surface runoff, causing long-term damage to aquatic organisms. For exam-
ple, S-THs are acutely toxic to fish, and 1200 μg/L PRT can significantly reduce embryo
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hatching and survival in carp [9]. Hao et al. [10] discovered that ATZ reduced zebrafish
hatching rates and increased the incidence of malformations and embryo mortality with
increasing ATZ exposure, which also caused necrosis and congestion in carp gill epithe-
lial cells [11], oxidative stress in catfish liver and gills [12], and ovarian lesions in female
blackhead dull fish [13]. Furthermore, S-THs can be harmful to humans, with PRT being
toxic to human pulmonary adenocarcinoma cell lines and human bronchial epithelial cell
lines [14], and ATZ causing carcinogenesis, teratogenesis, and mutagenesis after long-term
exposure [15,16].

Soil microorganisms such as Acinetobacter spp. Brisou and Prévot (Moraxellales:
Moraxellaceae), Arthrobacter sp. Conn and Dimmick (Micrococcales: Micrococcaceae),
Agrobacterium sp. Conn (Hyphomicrobiales: Rhizobiaceae), Bacillus sp. Cohn (Bacil-
lales: Bacillaceae), Deinococcus sp. Brooks and Murray (Deinococcales: Deinococcaceae),
Microbacterium sp. Orla-Jensen (Micrococcales: Mycobacteriaceae), Nocardioides sp. Prauser
(Propionibacteriales: Nocardioidaceae), and Rhodococcus rhodochrous Tsukamura (Mycobac-
teriales: Nocardiaceae), among others, have been shown to degrade S-THs partially [17–24].
White-rot fungi (Phanerochaete chrysosporium Burds. (Polyporales: Phanerochaetaceae)) and
lignocellulose-degrading fungi (Pleurotus pulmonarius Fr. (Agaricales: Pleurotaceae)) can
dechlorinate ATZ water to produce hydroxylated ATZ and dealkylated ATZ metabolites
with nitrogen [25,26]. Although various microorganisms can degrade S-THs, none of the
triazine rings are broken, resulting in the persistence of S-THs in the soil. Vonberg et al. [27]
showed that, although ATZ has been banned in Germany for 31 years, residue can still be
detected in groundwater, surface water, and soil. Therefore, developing functional and
environmentally friendly substitutes for S-THs is crucial for the ecological environment
and human health.

The three main research objectives of this study are as follows: (1) create S-THs
substitutes (with high herbicidal functionality, high microbial degradability, and high
environmental friendliness but low human lung cytotoxicity). (2) to design and screen
optimal field application schemes (with high microbial degradation promotion in maize
cropping fields. (3) to further verify and assess the excellent comprehensive performance
of S-THs substitutes and their degradation products (with high microbial degradability,
and favorable aquatic environment, and human health friendliness).

2. Results

2.1. Construction and Evaluation of the Single-Effect and Comprehensive-Effect 3D-QSAR Models
of Herbicidal Functionality Properties, Microbial Degradability, and Human Lung
Cytotoxicity of S-THs

The structural information of 26 S-THs was used as an independent variable, and the
docking score (LibDock Score, LDS) values of herbicidal functionality properties, microbial
degradability, and human lung cytotoxicity (hereafter referred to as herbicidal functionality
properties, degradability, and toxicity) of S-THs were adopted as the dependent variables
to build the single-effect CoMSIA models for herbicidal properties, degradability, and
toxicity of S-THs (Table S1). In addition, the final weight results of herbicidal functionality
properties, degradability, and toxicity of the comprehensive value (CV) are shown in
Figure S1, and the results of the CV calculations are shown in Table S1. The CV was
adopted as a dependent variable to construct the comprehensive-effect CoMSIA model of
herbicidal functionality properties, degradability, and toxicity of S-THs. Table S2 lists the
relevant modeling materials.

In addition, the evaluation parameters of the single-effect CoMSIA and comprehensive-
effect CoMSIA models of herbicidal functionality properties, degradability, and toxicity
of S-THs are shown in Table 1. The comprehensive-effect CoMSIA model of herbicidal
functionality properties, degradability, and toxicity of S-THs was used as an example; the
model cross-validation coefficient q2 was 0.751 (>0.5), the best principal component n was
10, the non-cross-validation coefficient R2 was 0.998, and the standard deviation was 0.008,
manifesting that the constructed model had an excellent internal prediction and fitting
ability [28]. In addition, the model test set external validation interaction test coefficient
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r2
pred was 0.678 (>0.6), manifesting that the constructed model had favorable external

prediction ability [29]. The model (R2 − q2)/R2 (<30%) manifested that the constructed
model was not over-fitted [30].

Table 1. CoMSIA model evaluation parameters for the herbicidal functionality properties, degrad-
ability, and toxicity of S-THs and their comprehensive effects.

CoMSIA
Models

Enzymes q2 n R2 SEE F r2
pred (R2 − q2)/R2 (%)

Comprehensive ALL 0.789 8 0.993 0.007 132.292 0.615 20.54
Herbicide 1FC9 0.751 9 0.997 0.393 207.333 0.785 24.67

Degradation 4L9X 0.757 5 0.986 1.529 157.196 0.713 23.23
Toxicity 6K1J 0.706 10 1.000 0.285 1660.695 0.792 29.40

2.2. Design of S-TH Substitutes Based on the 3D Isopotential Diagrams of the CoMSIA Model

ATZ, which is primarily used in agriculture, was chosen as the target molecule to ana-
lyze the three-dimensional (3D) isopotential diagrams of single-effect and comprehensive-
effect CoMSIA models of herbicidal functionality properties, degradability, and toxicity
and to design the substitutes. Figure S2 depicts the molecular structure and proposed
modification sites for ATZ.

The 3D isopotential diagrams of the hydrophobic (H), hydrogen-bonded acceptor (A),
hydrogen-bonded donor (D), electrostatic (E), and steric (S) fields for the single-effect and
comprehensive-effect CoMSIA models of herbicidal functionality properties, degradability,
and toxicity of S-THs are shown in Figure 1.

 

Figure 1. The 3D isopotential diagrams of the single-effect and comprehensive-effect CoMSIA models
of herbicidal functionality properties, degradability, and toxicity of S-THs: (a) hydrophobic field;
(b) hydrogen-bonded acceptor field; (c) hydrogen-bonded donor field; (d) electrostatic field, and
(e) steric field.

In this study, we aimed to reduce the cytotoxicity of S-THs in the human lung by
designing ATZ substitutes based on the reverse law of the substitution principle of 3D
isopotential diagrams. According to the single-effect and comprehensive-effect CoMSIA
models of herbicidal functionality properties, degradability, and toxicity of S-THs, and the
contribution ratio of each force field in the 3D isopotential diagrams (Table 2), single, double,
and multiple substitutions could be performed at the 1–5 point sites of ATZ (Table S3).
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Table 2. The proportion of each force field in the single-effect and comprehensive-effect CoMSIA
models of herbicidal functionality properties, degradability, and toxicity of S-THs based on the 3D
isopotential diagrams.

Fields

Proportion of Fields (%)
CoMSIA Models

For
Comprehensive

Activity

For
Herbicidal

Activity

For
Degradation

Activity

For
Toxicity
Activity

Hydrophobic (H) 37.4 50 29.3 32.5
Hydrogen-bond acceptor (A) 4.7 6.9 7.1 6.9

Hydrogen-bond donor (D) 26.2 6.8 27.6 22.8
Electrostatic (E) 16.8 18.8 17.8 19.4

Steric (S) 14.9 16.5 18.1 18.4

Therefore, hydrophobic groups (-F, -Cl, -Br, -SH, -C≡C, -OCH3, and -CF3) were intro-
duced to site 1, a more electronegative group (-CF3) was introduced to site 3, and a small
volume of group (-CH3) was introduced to site 4, to design and screen a total of S-THs with
improved single- and comprehensive-effects of S-TH substitutes (Table S3).

2.3. Prediction and Evaluation of the Single-Effect and Comprehensive-Effect 3D-QSAR Models of
Herbicidal Properties, Microbial Degradability, and Human Lung Cytotoxicity of S-THs

In this study, the herbicidal functionality properties, degradability, and toxicity of the
40 designed substitutes were predicted using four constructed CoMSIA models, and the
predicted values were normalized using Formula (2). The functionality and degradabil-
ity (positive indices) were normalized by “bigger, better type,” while toxicity (negative
indices) was normalized by “smaller, better type” (Table S4). The comprehensive effect of
the 40 S-TH substitutes ranged from -26.79% to 70.44%, while the eight S-THs, D-3, D-4,
D-5, D-18, D-29, D-30, D-31, and D-35, were consistent with the weighted values of the
comprehensive-effect model (49.31%:25.17%:25.52%). The results verified the effectiveness
of the comprehensive-effect CoMSIA model of herbicidal functionality properties, degrad-
ability, and toxicity of S-THs, the reasonableness of the molecular design of the substitutes,
and verified that the hydrophobic, electrostatic, and steric fields of the comprehensive-effect
CoMSIA model were the primary factors influencing the comprehensive effects of S-THs.

2.4. Evaluation of the Microbial Degradability Universality and Toxicity of Antioxidant Systems in
Fish of S-TH Substitutes
2.4.1. Evaluation of the Microbial Degradability Universality of S-TH Substitutes

We selected three other target proteins for the microbial degradation of S-THs in
addition to triazine hydrolase (TrzN), namely AtzC (PDB ID: 2QT3), LiP (PDB ID: 1B85), and
MnP (PDB ID: 1MNP) [31,32] using the Protein Data Bank (PDB) database [33]. Molecular
docking of the S-TH substitutes with the above three proteins was carried out. The LDS was
used as an evaluation index to assess the microbial degradability of the S-TH substitutes. It
was found that the microbial degradability of the eight S-TH substitutes, including D-3,
D-4, D-5, D-18, D-29, D-30, D-31, and D-35, improved to varying degrees compared to ATZ
or remained essentially unchanged (Table S5).

2.4.2. Evaluation of the Toxicity of Antioxidant Systems in Fish of S-TH Substitutes

We selected two antioxidant proteins from carp, SOD (UniProt ID: Q8JFG7) and CAT
(UniProt ID: E2CWE8), using the UniProt database [34]. Eight S-TH substitutes previously
screened were molecularly docked to the two antioxidant proteins. The LDS of the two
proteins were added together using a 1:1 weighting, and the CV of the toxicity of the
antioxidant system in fish of S-TH substitutes was calculated (Table S6). Compared to
ATZ, the toxicity of five S-TH substitutes (D-4, D-5, D-19, D-21, and D-25) was lower in
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the antioxidant system (range 0.12–23.98%), with substitute D-5 showing a significant
reduction.

2.5. Screen of Optimal Field Application Schemes to Promote the Microbial Degradation of S-TH
Substitutes in Maize Cropping Fields

Compared to the blank control group (group 1, with a binding energy of −93.414 kJ/mol),
the results of the Taguchi orthogonal experiment (Table S7) revealed that the binding energy
values of groups 2, 10, 14, 15, 19, 21, 26, 27, 28, and 29 all showed varying degrees of
reduction (1.51–58.32%), with group 2 (binding energy of −147.893 kJ/mol) showing the
most significant reduction. Therefore, the external conditions from group 2 (aspartic acid
(Q), alanine (R), and glycine (S)) were chosen as a field application scheme to perform a
full factorial design experiment used with the 3-factors (Q, R, and S) and 2-levels (0 for no
addition and 1 for addition), with a total of 8 different sets of external conditions schemes.
The absolute values of the binding energy of the eight schemes were calculated and used
as the response values for the factor analysis about the main-, second-, and third-order
interaction effects among the three factors (Figure 2, Table S8).

 

Figure 2. Response and effect values for the 8 external conditions schemes (3-factors/2-levels).

The results of the main-, second-, and third-order interaction effects of each scheme
(Figure 2) showed that the main-effect values of Q, R, and S (groups 2, 3, and 4) were
positive, indicating that the main-effect factors (Q, R, and S) in the optimal field application
schemes could promote the microbial degradation of S-TH substitutes in maize cropping
fields. In the second-order interaction effects (groups 5, 6, and 7), the second-effect values of
Q and R, and Q and S were positive, while the second-effect value of R and S was negative,
indicating that the coexistence of aspartic acid and alanine, and aspartic acid and glycine
exhibited synergistic effects in promoting the microbial degradation of S-TH substitutes
in maize cropping fields. In contrast, the coexistence of alanine and glycine exhibited
antagonistic effects. In the third-order interaction effects (group 8), the third-effect value
of Q, R, and S was positive, indicating that aspartic acid inhibited the antagonistic effects
of alanine and glutamic acid on the microbial degradation of S-TH substitutes, indicating
significant synergistic effects of aspartic acid, alanine, and glycine. Consequently, combined
with the maximum response value of Q, R, and S in Group 8 (value 147.893), the coexistence
of Q, R, and S could be screened as the optimal field application schemes to promote the
microbial degradation of S-TH substitutes in maize cropping fields.
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2.6. Simulation of Microbial Degradation Pathways of S-TH Substitutes

Figure 3 shows that the microbial degradation pathways of ATZ and substitute D-5
have the same process, Stage 2, with the only difference being the reactants and products
of Stage 1. Therefore, the microbial degradation of ATZ and substitute D-5 was analyzed
by comparing the differences of the two-step (Steps 1 and 2) reaction energy barrier (ΔE) in
Stage 1 (Table 3).

 
Figure 3. Simulation of microbial degradation pathways of ATZ and substitute D-5.
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Table 3. Calculation of reaction energy barrier and change rates of the microbial degradation of ATZ
and substitute D-5 in Stage 1.

Compounds Steps Reactants Products
ΔE ΔE (Total) Change Rate

(%)(kJ/mol) (kJ/mol)

ATZ
1 ATZ ATZ-1 160.893

200.806 -
2 ATZ-1 Com-1 39.913

D-5
1 D-5 D-5-1 60.147

94.533
−62.62

2 D-5-1 Com-1 34.386 −13.85

It has been shown that the ΔE (>0) represents the difficulty of reaction occurrence,
with smaller values indicating that the reaction is more likely to occur [35]. Compared
to the ΔE values of Stage 1 (Steps 1 and 2) of the ATZ, that of the substitute D-5 were
reduced by 62.62% and 13.85%, respectively, indicating that the groups on the modified
S-THs triazine ring (-C2H5SNF, and -C3H5NF3) were more susceptible to be hydrolyzed to
triuric acid by microorganisms. In addition, the above analysis results demonstrated that
the microbial degradability of S-TH substitute D-5 was significantly enhanced, confirming
the rationality of the comprehensive-effect CoMSIA model of herbicidal functionality
properties, degradability, and toxicity of S-THs and the precision of the molecular design
of substitutes constructed in this study.

2.7. Evaluation of Aquatic Biotoxicity and Human Health Risks of Microbial Degradation Products
of S-TH Substitutes

As shown in Tables S9 and S10, regarding aquatic toxicity, the intermediate microbial
degradation products D-5-P1 and D-5-P2 were significantly less toxic to green algae and
fish and, to a lesser extent, Daphnia than ATZ. Regarding human health risks, compared to
that of ATZ, the hepatotoxicity of D-5-P1 and D-5-P2 was significantly reduced, whereas
the maximum tolerated dose was significantly increased. The carcinogenicity of D-5-P1 in
male mice was reduced to nontoxic levels. The toxicity levels of the five toxicity models,
including skin irritation, sensitization, and carcinogenicity, remained unchanged in male
and female rats and female mice. The skin sensitization level of D-5-P2 was reduced to a
low toxicity level, and the toxicity levels of the five toxicity models, including skin irritation
and rodent carcinogenicity, remained unchanged.

3. Discussion

In the present work, the single-effect and comprehensive-effect CoMSIA models of
herbicidal functionality properties, microbial degradability, and human lung cytotoxicity
of S-THs were constructed, which showed excellent stability, predictability, and fitting, and
the S-TH substitutes with excellent comprehensive performance were designed based on
the 3D isopotential diagrams of the above models.

Overall, the hydrophobic field contributed the highest proportion to the molecular
effect of S-THs in the four CoMSIA models, which was regarded as the main modifying
force field to improve the herbicidal functionality properties of the S-TH substitutes. The
single-effect CoMSIA model of herbicidal functionality properties contributed the highest
proportion among the four models. The analysis of the 3D isopotential diagrams of the
single-effect CoMSIA models of degradability and toxicity showed that the electrostatic
fields have the largest and most comprehensive difference in the color block distribution,
with the largest contribution of the E fields to the S-THs performance (17.8% and 19.4%,
respectively). Therefore, the E field was regarded as the main modifying force field to
improve the degradability of the S-TH substitutes and avoid increased toxicity. Further-
more, in the single-effect CoMSIA model of toxicity, the stereoscopic field accounted for
the highest proportion, which was regarded as the main modifying force field to reduce
the toxicity of substitutes for reverse design. Similar to our previous study, based on the
constructed plant-microbial synergistic degradation CoMISA model of quinolones (QNs),
the hydrophobic field and electrostatic field of this model were regarded as the main mod-
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ifying force field. By introducing groups with hydrophobicity (-SH, -Cl, and -F), as well
as groups with strong electronegativity (-CF3, -CH3, and -CH2F), QNs substitutes with
enhanced plant-microbial synergistic degradation effect were designed reasonably [36].

In addition, the optimal field application scheme of aspartic acid, alanine, and glycine
indicated the effective role of amino acids in the promotion of S-THs microbial degradation.
Shen et al. [37] found that the stress of organic pollutants, such as petroleum hydrocarbons,
could lead to a positive plant response and, to some extent, promote the secretion of amino
acids in soil inter-roots. Furthermore, amino acid content had been correlated with soil
N effectiveness, which improved the activity and respiration of soil microorganisms, and
further enhanced the degradation of organic pollutants by soil inter-rooted microorgan-
isms [38,39]. In addition, Li et al. [40] discovered that root secretions could effectively
stimulate microbial degradation of organic pollutants within plant roots, which was consis-
tent with the results of the present study that the coexistence of the three root secretions,
aspartic acid, alanine, and glycine, could promote the microbial degradation of S-THs
substitutes in maize cropping fields.

The simulation of microbial degradation pathways of S-TH substitutes indicated that,
compared to the ΔE values of Stage 1 (Steps 1 and 2) of the ATZ, the substitute D-5 were
reduced by 62.62% and 13.85%, respectively, indicating that the groups on the modified
S-THs triazine ring (-C2H5SNF, and -C3H5NF3) were more susceptible to be hydrolyzed to
triuric acid by microorganisms. In addition, the above analysis results demonstrated that
the microbial degradability of substitute D-5 was significantly enhanced, confirming the ra-
tionality of the comprehensive-effect CoMSIA model of herbicidal functionality properties,
degradability and toxicity of S-THs, and the precision of the molecular design of substitutes
constructed in this study. Furthermore, Fu et al. [41], Li et al. [42], and Xue et al. [43] all
used pharmacokinetic and toxicokinetic methods to predict and evaluate the human health
risks of designed substitutes. The predicted results of indictors (hepatotoxicity, maximum
tolerated dosage, skin sensitization, skin irritation, and rodent carcinogenicity) all indicated
that the designed molecules had a low risk to human health. According to the above studies,
the human health risk assessment based on pharmacokinetic and toxicokinetic methods
had certain rationality and reliability. Therefore, the aquatic biotoxicity and human health
risks of the microbial degradation products of the substitute D-5 designed in the present
work were significantly reduced.

The in-silico methods used in this study have certain efficiency, rationality, and conve-
nience, which could provide a new direction for the research and development of more sim-
ilar functional chemicals. However, in the future, we still need to combine as much experi-
mental data as possible. The environmental and human health hazards, as well as economic
applicability and other aspects, should be taken into more comprehensive consideration in
order to obtain more efficient and environmentally friendly new chemical substitutes.

4. Materials and Methods

4.1. Characterization of Herbicidal Functionality Properties, Microbial Degradability, and Human
Lung Cytotoxicity of S-THs—Molecular Docking Method

This study selected 26 S-THs, including ATZ. First, the molecular structures were
drawn and optimized using the Sketch Molecule, Minimize and Align Database mod-
ules of SYBYL-X2.0 software (Tripos, Inc.: St. Louis, MO, USA). Then, the molecu-
lar structures were optimized using Tripos force fields, Gasteiger-Huckel charges, and
10,000 iterations [44] to achieve the optimal conformation with the lowest molecular energy.

The PDB database [33] was used to identify and select the three target proteins men-
tioned above (Figure 4): the D1 protein of Tetradesmus obliquus Turpin (Sphaeropleales:
Scenedesmaceae) photosynthetic system II (D1-PSII, PDB ID:1FC9) [45], the triazine hy-
drolyzable protein of Paenarthrobacter aurescens Phillips (Micrococcales: Micrococcaceae)
(TrzN, PDB ID:4L9X) [46], and the human H2AX protein (H2AX, PDB ID:6K1J) [47] (the
rationale for the selection of the above three proteins is shown in the appendix). The
Discovery Studio (DS) 2020 software (BIOVIA Inc.: Shenzhen, Guangdong, China) used
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the three proteins mentioned above as receptor proteins. Furthermore, the structurally
optimized S-THs molecules were used as ligand molecules in the LibDock module for
rapid ligand-receptor docking to characterize the ligand-receptor binding ability using LDS.
These include herbicidal functionality properties, degradability, and toxicity.

(a) (b) (c) 

Figure 4. Schematic structure of the herbicidal, degradative, and toxic receptor proteins of S-THs:
(a) 1FC9; (b) 4L9X; (c) 6K1J.

4.2. Characterization of the Comprehensive Effects of Herbicidal Functionality Properties, Microbial
Degradability, and Human Lung Cytotoxicity of S-THs—AHP-TOPSIS Method

In this study, we used the Analytic Hierarchy Process—Technique for Order Prefer-
ence by Similarity to the Ideal Solution (AHP-TOPSIS) [48] to normalize the herbicidal
functionality properties, degradation, and toxicity indices of S-THs and calculated the
comprehensive herbicidal functionality properties, degradation, toxicity, and CV of S-THs
molecules according to the weighting ratios of the AHP-TOPSIS method. In addition, the
CV was normalized using the AHP-TOPSIS method. The equations are as follows:

(1) Subjective weighting W1 (j) of herbicidal functionality properties, degradability,
and toxicity of S-THs—SPSSAU software method

This study is primarily concerned with the herbicidal functionality properties of S-THs.
The Analytic Hierarchy Process (AHP) module of SPSSAU software (QingSi Technology
Ltd.: Beijing, China) was used to calculate the weight W1 (j) (the calculation and weighting
methods are shown in the appendix).

(2) Objective weighting W2 (j) of herbicidal functionality properties, degradability, and
toxicity of S-THs—TOPSIS weighting method

The docking scores of herbicidal functionality properties, degradability, and toxicity of
S-THs were normalized in this study based on the type of indicator (positive and negative
indicators, respectively), where herbicidal functionality properties and degradability are
positive indicators, and toxicity is a negative indicator, and are calculated as follows:

Normalization of positive indicators of herbicidal functionality properties or degradability:

Z+
ij =

Xij − min
{

Xij
}

max
{

Xij
}− min

{
Xij
} (1)

Normalization of negative indicators of toxicity:

Z−
ij =

max
{

Xij
}− Xij

max
{

Xij
}− min

{
Xij
} (2)

where i denotes the S-THs molecule (i = 1, 2, . . . , 26), j denotes the receptor protein (j = 1, 2, 3
for 1FC9, 4L9X, and 6K1J, respectively), Zij

+ denotes the positive indicator of the S-THs
molecule normalized for herbicidal functionality properties or degradability, Zij

− denotes
the negative indicator of the S-THs molecule normalized for toxicity, and Xij denotes the
molecular docking scoring value of the ith molecule to the jth protein.
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The docking scores of herbicidal functionality properties, degradability, and toxicity
of S-THs were used as column vectors a1, a2, and a3 to construct a 3 × 26 normalized data
matrix (a1, a2, a3), and the best and worst values of each column were selected to construct
the best vector A+ = (a1

+, a2
+, a3

+) and the worst vector A− = (a1
−, a2

−, a3
−), respectively.

The normalized data vector of each S-THs molecule was then compared to the best and
worst vectors. Closer to the best vector indicates that the S-THs molecule’s comprehensive
effect is better. In contrast, closer to the worst vector indicates that the S-THs molecule’s
comprehensive effect is worse. Therefore, the elements of the optimal and worst vectors
were calculated as follows:

a+j =

{
max

(
Xij
)
, Xij is a positive indicator

min
(
Xij
)
, Xij is a negative indicator

(3)

a−j =

{
max

(
Xij
)
, Xij is a positive indicator

min
(
Xij
)
, Xij is a negative indicator

(4)

where aj
+ is the jth column element of the best vector and aj

− is the jth column element of
the worst vector.

Based on the optimal and inferior vectors A+ and A–, the distances of each S-THs nu-
merator from the optimal and inferior vectors were calculated, and a positive relative error
matrix R+ = (r)ij

+
3×26 and a negative relative error matrix R− = (rij

−)3×26 were constructed
based on the ratio between them and the maximum distance.

r+ij =

∣∣∣Xij − a+j
∣∣∣

max
(
Xij
)− min

(
Xij
) (5)

r−ij =

∣∣∣Xij − a−j
∣∣∣

max
(
Xij
)− min

(
Xij
) (6)

where r+ij denotes the element in row i, column j of the positive relative error matrix, and
r−ij denotes the element in row i, column j of the negative relative error matrix.

The cosine of the relative error angle between the herbicidal functionality properties,
degradability, and toxicity indicators of the S-THs was calculated based on the relative
error matrix θj:

θj = cos < r+ij , r−ij >=
∑m

i=1 r+ij ·r−ij√
∑m

i=1 r+
2

ij ·
√

∑m
i=1 r−2

ij

(7)

The objective TOPSIS weights W2(j) for herbicidal functionality properties, degrad-
ability, and toxicity of the comprehensive effect of S-THs were calculated by normalizing
the cosine of the relative error clincher.

W2(j) =
θj

∑m
j=1 θj

(8)

(3) The compound weighting of subjective and objective
The minF optimization problem was designed using the minimum entropy principle.

The following are the calculated comprehensive weights w(j) of the herbicidal functionality
properties, degradability, and toxicity of S-THs.
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minF =
m

∑
j=1

w(j)ln
w(j)

W1(j)
+

m

∑
j=1

w(j)ln
w(j)

W2(J)
(9)

s.t.∑m
j=1 w(j) = 1, w(j) > 0 (10)

The comprehensive weights w (j) for herbicidal properties, degradability, and toxicity
of the comprehensive effects of S-THs were calculated using the Lagrange multiplier
method to solve the above equation. The subjective weights W1 (j) and objective weights
W2 (j) was substituted to calculate the comprehensive weights.

w(j) =
√

W1(j)W2(j)/∑3
j=1

√
W1(j)W2(j), j = 1, 2, 3 (11)

4.3. Construction of a Model for the Comprehensive Effects of Herbicidal Functionality Properties,
Microbial Degradability, and Human Lung Cytotoxicity of S-THs—3D-QSAR Model

The optimized molecules from the SYBYL-X2.0 software [49] Minimize module were
classified into training and test sets in a 3:1 ratio randomly (template molecules were
present at both the training and test levels; the molecular distribution of the model training
and test sets is shown in Table S2), with the more widely used Propazine (PRZ) chosen as
the template molecule. The Align Database module [50] was used for molecular stacking
(the molecular structure and common backbone are shown in Figure S3).

The stacked training set molecules and docking scores were imported using the
SYBYL-X2.0 software (where the comprehensive value was imported to construct the
CoMSIA model [36,50] for the comprehensive effect of herbicidal properties, degrad-
ability and toxicity of S-THs). The Calculate Properties module output the calculated
values for the hydrophobic (H), hydrogen bond acceptor (A), hydrogen bond donor (D),
electrostatic (E), and steric fields (S) were output using the Calculate Properties module,
and cross-verification and non-cross-verification [36,50]. The molecules from the superim-
posed test set were then imported into SYBYL-X2.0 software. Based on the analysis results
of the CoMSIA model constructed using the training set molecules, the predicted value
of the test set molecule output was obtained using the Predict function under the Add a
Computed Column module [36,50]. Finally, using the Calculate Properties module [36,50],
the predicted values were externally validated against the original scoring values (the
comprehensive model for the comprehensive values). After passing all the above vali-
dations, the built model of the herbicidal, degradation, and toxicity effects of S-THs and
their comprehensive effects proved stable, predictive, and well-fitting. The parameters and
model evaluation criteria for the training sets and test sets of the CoMSIA model developed
in this study are listed in Table S11 [36].

4.4. Design of S-TH Substitutes—SYBYL-X2.0 Software

In this study, using the SYBYL-X2.0 software, we propose the selection of the most
widely used ATZ as a template molecule and determine the substitutable group sites
and substitution groups based on the 3D isopotential diagrams of each force field (in-
cluding hydrophobic field (H), hydrogen bond acceptor field (A), hydrogen bond donor
field (D), electrostatic field (E), and steric field (S)) of the constructed CoMSIA model of
the comprehensive effect of herbicidal properties, degradability, and toxicity of S-THs. The
introduction of hydrophobic substituents (-CH3, CF3, -F/Cl/Br, -OCH3, and -SH) near
the yellow region of the hydrophobic field (H) and hydrophilic substituents (-OH, -CHO,
-COOH, and -NH2) near the white region of the hydrophobic field (A) improved the activi-
ties of the compounds. The addition of hydrogen bond acceptors (-NO2, NF2, and -COCF3)
in the purple region of the hydrogen bond acceptor field (A) and hydrogen bond donors
(-NH2, -OH, -COCH3, and -CONH2) in the red region of the field improved the activities of
the compounds. The addition of hydrogen bond donors in the cyan region of the hydro-
gen bond donor field (D) and hydrogen bond acceptors in the purple region of the field
improved the activities of the compounds. Introducing less electronegative substituents
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(-H, -OH, -COOH, and –NH) in the blue region of the electrostatic field (E) improved the
activities of the compounds. The introduction of less electronegative substituents (-H,
-OH, and -CH3) in the blue region of the electrostatic field (E) and more electronegative
substituents (-CF3, -F, -CH2 F, and -CHF2) in the red region of the field improved the
activities of the compounds. The activities of the compounds were improved by increasing
the size of the substituents in the green region of the steric field (S) and decreasing the size
in the yellow region [51]. The Sketch Molecule, Minimize, and Align Database modules of
the SYBYL-X2.0 software were used to map and optimize substitutes [36].

4.5. Evaluation of the Microbial Degradability Universality and Toxicity of Antioxidant Systems in
Fish of S-THs Substitutes—Molecular Docking Method
4.5.1. Evaluation of the Microbial Degradability Universality of S-THs Substitutes in the
Soil Environment

The PDB database was used to search and select three proteins as the target proteins of
microbial degradation (Figure 5, the rationale for the selection of the above three proteins
is shown in the appendix), which are AtzC of Pseudomonas sp. Migula (Pseudomonadales:
Pseudomonadaceae) ADP (PDB ID: 2QT3), LiP of Phanerodontia chrysosporium Burds. (Poly-
porales: Phanerochaetaceae) (PDB ID: 1B85), and MnP (PDB ID: 1MNP). The LibDock
module of DS software was used to perform molecular docking between the designed
S-TH substitutes and the above proteins. LDS was used to characterize the microbial
degradability of S-TH substitutes, which was used as an evaluation index of the microbial
degradability universality of S-TH substitutes in the the soil environment.

(a) (b) (c) 

Figure 5. Schematic diagram of the structure of a universal degrading protein of S-TH substitutes in
the soil environment: (a) 2QT3; (b) 1B85; (c) 1MNP.

4.5.2. Evaluation of the Toxicity of Antioxidant Systems in Fish of S-TH Substitutes in the
Aquatic Environment

The UniProt database [34] was used to identify superoxide dismutase (SOD, UniProt
ID: Q8JFG7), and hydrogen peroxide proteins (CAT, UniProt ID: E2CWE8) (Figure 6) as
receptor proteins in carp (the rationale for the selection of the above three proteins is shown
in the appendix). The above proteins were molecularly docked with S-TH substitutes with
universal microbial degradability using the LibDock module of the DS software. Protein
activity was more likely to be inhibited when the docking score was higher. The docking
scores of the two proteins were added at a weight of 1:1, and the comprehensive value was
used to characterize the toxic effect of S-TH substitutes on the antioxidant system of fish.
The higher the comprehensive value, the stronger the toxicity of S-TH substitutes on the
antioxidant system of fish.
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Figure 6. Schematic representation of antioxidant proteins in carp: (a) Q8JFG7; (b) E2CWE8.

4.6. Screen of Optimal Field Application Schemes to Promote the Microbial Degradation of S-TH
Substitutes in Maize Cropping Fields—Taguchi Orthogonal Experiments, Full Factorial Design of
Experiments, and Molecular Dynamics Methods

THs are applied primarily to maize [1]. In this study, the maize cropping field was
selected as the primary research area to explore the influence of different external stimulus
conditions (such as fertilizer and crop root secretion) of the maize cropping field on the
microbial degradability of S-TH substitutes in the soil environment and to screen and
determine the best field application scheme of S-TH substitutes. Furthermore, root exudates
can promote microbial degradation near the rhizosphere [40]. In this study, 18 compounds,
including the most widely used nitrogen fertilizer [52] and 17 kinds of rhizosphere secretory
substances of maize, were selected (Table S12) [53,54] as external addictive conditions to
investigate their influence on the degradability of S-TH substitutes.

In this study, 18 compounds (Table S12) were chosen as external conditions to design
an 18-factors and 2-levels (0 for no addition, 1 for addition) Taguchi orthogonal experiment,
with a total of 32 different sets of external conditions schemes. In addition, the binding
energy of the substitute D-5, triazine hydrolysate protein 4L9X, and the complex system
of external conditions (Table S7) were calculated to screen the optimal field application
schemes to promote the microbial degradation of S-TH substitutes preliminary.

The Taguchi orthogonal experimental design is a method for independently evaluating
the single-factor-level effects [55]. Eighteen compounds were chosen as external additives
in this study. The Taguchi (T) module under the design of the experiment module in
Minitab 20 software was used to construct a Taguchi orthogonal experimental design
with 18 factors and two levels (0 represents no addition, 1 represents addition). A total of
32 groups of external condition-adding schemes were included. Among them, the S-TH
substitutes and 4L9X proteins selected as fixed conditions were added to this scheme’s
molecular dynamics calculation system.

The Gromacs 4.6.5 software (GROMACS development team: Stockholm, Sweden) [56]
was used to simulate the molecular dynamics of the 32 groups of schemes. After docking,
the compound system of S-TH substitutes, external condition compounds, and 4L9X
protein were placed in a periodic cubic aqueous solution with a side length of 15 nm. The
GROMOS96 43a1 force field was utilized for molecular restraint. In addition, a positively
charged Na+ neutralizing system was added. The binding energy between S-TH substitutes,
external condition compounds, and 4L9X proteins in each group was calculated using the
Molecular Mechanics/Poisson-Boltzmann Surface Area (MMPBSA) method (the smaller
the binding energy, the stronger the promoting effect of the scheme on the microbial
degradation of S-TH substitutes). Finally, the external condition addition scheme with the
minimum binding energy was used as the initial screening scheme for the subsequent total
factorial experimental design. Furthermore, the best field application scheme is conducive
to degrading S-TH substitutes by soil rhizosphere microorganisms in maize cropping fields.

The full factorial design of experiments is a method that allows rapid screening
of multilevel, multifactorial, and correlated vital factors, thereby reducing experimental
workload and increasing efficiency [57]. In this study, we used the Factor (F) module
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under the design of the experiment module of the Minitab 20 software (Minitab LLC.:
Centre County, Pennsylvania, United States) to construct an n-factor 2-level full factorial
design of the experiment based on the initial screening scheme of the Taguchi orthogonal
experiment (assuming the number of external conditions in the scheme is n). Molecular
dynamics was used to calculate the binding energies of S-THs, external conditions, and
4L9X protein. In addition, using Minitab 20 software, the absolute values of binding
energies were entered as response values into the constructed design of the experimental
table, and the factorial design was analyzed using the Factorial (F) module under the design
of the experimental module. The interaction mechanisms (synergistic and antagonistic)
between the n-factors were further analyzed to verify the reliability of the screened optimal
field application options.

4.7. Simulation of Microbial Degradation Pathways of S-TH Substitutes—DFT and Microbial
Degradation Pathway Simulation

In this study, the microbial degradation pathways of S-THs before and after molecular
modification were simulated and inferred from that of ATZ indicated in the literature
(Figure S4) [58]. Furthermore, the possible intermediate and final products produced
during the degradation and the change of microbial degradation degree molecules before
and after modification were analyzed based on DFT. Gaussian09 software (Gaussian Inc.
Wallingford, Connecticut, United States) was used to optimize and calculate the reaction
energy barrier (ΔE > 0, with a smaller energy barrier indicating a more accessible reaction)
of the microbial degradation of S-THs before and after molecular modification at the
B3LYP/6-31G* unit level [35,59]. It has been shown that the ΔE (>0) represents the difficulty
of reaction occurrence, with smaller values indicating that the reaction is more likely to
occur [35]. Therefore, the ΔE results were used to evaluate the microbial degradation of
S-THs before and after molecular modification.

4.8. Evaluation of Aquatic Biotoxicity and Human Health Risks of Microbial Degradation Products
of S-TH Substitutes—EPI Software Method, Pharmacokinetic and Toxicokinetic Methods

Estimation Programs Interface (EPIWEB 4.1) software (SRC Inc.: Syracuse, New York,
NY, USA) [60] was used in this study to predict and evaluate the aquatic toxicity of interme-
diate microbial degradation products by calculating the toxicity of the aquatic organisms
(green algae (EC50), Daphnia (LC50), and fish (LC50)). In addition, the pharmacokinetic and
toxicokinetic methods in the ADMET module of the DS software were used to calculate
the human health risks (hepatotoxicity, maximum tolerated dosage, skin sensitization, skin
irritation, and rodent carcinogenicity) of S-THs and their substitutes’ microbial degradation
products. These indicators can be used to predict and evaluate the human health risks
posed by microbial degradation products.

5. Conclusions

This study developed an ecological and sustainable S-THs control scheme that can
effectively reduce the environmental and human health impacts of S-THs application in
maize cropping fields through molecular source prevention, field application process con-
trol, and end-of-soil degradation evaluation. The main findings were as follows: (1) the
design of a substitute to S-THs with high herbicidal functionality and microbial degrad-
ability, low human health risk, and environmental friendliness using three-dimensional
quantitative structure-activity relationship (3D-QSAR) modeling and molecular docking
methods; (2) the simulation and screening of fertilizer and soil secretion that can promote
microbial degradation of the substitute to S-THs in maize cropping fields using Taguchi
orthogonal experiments and full factorial design of experiments; and (3) Based on the DFT,
we simulated and calculated the degradation pathways and reaction energy barrier of S-TH
molecules before and after modification, and confirmed that the designed S-TH substitutes
have stronger microbial degradability. This study developed a source modification scheme
for S-TH substitutes, an optimal application process control scheme for S-TH substitutes
in maize cropping fields, and an environmental and human health evaluation scheme for
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their terminal potential degradation products, which provides theoretical guidance for
minimizing the risk of S-THs application to the environment and human health in maize
cropping fields.
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backbone of PRZ; Figure S4: Microbial degradation pathway of ATZ; Table S1: Docking scores
for herbicidal, degradative, and toxic effects of S-TH molecules and calculation of their compre-
hensive value; Table S2: Molecular combination of the CoMSIA model training sets and test sets;
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Abstract: Microbial toxicity tests are considered efficient screening tools for the assessment of water
contamination. The objective of this study was to develop a sulfur-oxidizing bacteria (SOB)-based
ecotoxicity test with high sensitivity and reproducibility for simple and rapid on-site application.
To attain this goal, we developed a 25 mL vial-based toxicity kit and improved our earlier SOB
toxicity test technique. The current study applied a suspended form of SOB and shortened the
processing time to 30 min. Moreover, we optimized the test conditions of the SOB toxicity kit in
terms of initial cell density, incubating temperature, and mixing intensity during incubation. We
determined that 2 × 105 cells/mL initial cell density, 32 ◦C incubating temperature, and 120 rpm
mixing intensity are the optimal test conditions. Using these test conditions, we performed SOB
toxicity tests for heavy metals and petrochemicals, and obtained better detection sensitivity and test
reproducibility, compared to earlier SOB tests. Our SOB toxicity kit tests have numerous advantages,
including a straightforward test protocol, no requirement of sophisticated laboratory equipment, and
no distortion of test results from false readings of end-points and properties of test samples, making
it suitable for simple and rapid on-site application.

Keywords: ecotoxicity; sulfur-oxidizing bacteria; electrical conductivity

1. Introduction

There are approximately 150,000 different chemicals in commercial use and their
number and applications continue to grow [1,2]. Chemicals used in homes and diverse
industries are released directly or indirectly into water systems [1,2]. Although chemicals
can show unknown adverse effects on the environment and ecosystems, the presence of
chemicals in the water environment does not necessarily represent a risk [1]. Chemicals ex-
ceeding levels of concern cause water contamination and pose threats to aquatic ecosystems
and public health [1,3].

Conventionally, water contamination has been assessed based on physicochemical
quantitative analyses of water quality parameters, including dissolved oxygen, solids, bio-
chemical or chemical oxygen demand, various nutrients, and selected contaminants [4–7].
These physicochemical analyses are useful to understanding the fundamental properties
of water and obtaining detailed quantitative information of specific contaminants [8–10].
However, such water quality evaluation is unable to reveal the biochemical effects of con-
tamination on living organisms and the environment [9,11]. Moreover, physicochemical
quantification usually requires advanced analytic equipment, skilled personnel, lengthy
processing time, and high experimental expense, making it unsuitable for on-site simple
and rapid toxicity screening of contaminated water [2,12].

As supplements or alternative to physicochemical quantitative analyses, biological
tests that employ organisms such as invertebrates, fish, daphnia, and microorganisms,
have been widely used in toxicity assessment of contaminated water [4,13–18]. Because
biological tests, generally named ecotoxicity tests, evaluate toxicity based on changes in
the response of organisms to contaminants, they can directly demonstrate the impacts
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of contaminants on living organisms and the environment [8,15,19–21]. Among the di-
verse trophic levels of organisms, microorganism-based tests are considered particularly
efficient tools for routine toxicity evaluation because they provide easy test protocols,
relatively short test time, cost effectiveness, and less ethical responsibility compared to
other organism-based tests [21–23]. Moreover, as microorganisms have diverse ecological
functions, microorganism-based tests can provide important toxicological information
on ecosystems. Numerous microorganisms, including bioluminescent bacteria, nitrifying
bacteria, oligotrophic bacteria, Escherichia coli, and microalgae, have been employed in
ecotoxicity tests with measurement of luminescence, growth and respiration rate, turbid-
ity, and photosynthesis, showing favorable performance in assessing toxicity of various
inorganic and organic contaminants in water [24–28].

In our earlier studies, we demonstrated the application of sulfur-oxidizing bacteria
(SOB), specifically Acidithiobacillus caldus, to toxicity tests of contaminated water [2,21,29–35].
SOB are chemolithoautotrophic and acidophilic bacteria ubiquitous in diverse environ-
ments, including the hydrosphere [35,36]. SOB gain energy from aerobic oxidation of sulfur
and produce sulfate and hydrogen ions as by-products (Equation (1)) [21,37].

S0 + H2O + 1.5O2 → SO4
2− + 2H+, ΔG◦′ = −587 kJ/reaction (1)

Because electrical conductivity represents the ability to carry a current and is propor-
tional to the concentration of ions, electrical conductivity is able to serve as a proxy for
the microbial activity of SOB [21,35,38]. In the presence of contaminants, SOB activity is
inhibited, resulting in less generation of sulfate and hydrogen ions. Hence, SOB tests evalu-
ate the toxicity of contaminated water by comparing increases in electrical conductivity
between test samples and the control (where no contaminants exist). Our earlier studies
confirmed that this SOB test is a reliable toxicity-screening technique [21,29–35]. SOB tests
showed favorable results from toxicity assessment of heavy metals, endocrine-disrupting
compounds, inorganic nitrogen, and petrochemicals in water [2,21,29–35]. Moreover, SOB
tests have the advantages of simple test methodology and low cost, and they do not require
sophisticated instruments to measure microbial activity.

The objective of this study was to develop improved SOB toxicity tests for simple and
rapid on-site application. To attain this goal, we used a suspended form of SOB in this
study. We expected that this approach would be more advantageous to the application
of identical amounts of SOB and making direct contact with contaminants. Moreover, for
better field application, the present study developed a kit-type SOB test and decreased the
processing time from several hours to 30 min. In addition, we optimized test conditions
such as initial cell density, incubating temperature, and mixing intensity, yielding enhanced
detection sensitivity and test reproducibility. As a result, our current SOB test represents an
improvement in simple and rapid on-site toxicity assessment.

2. Materials and Methods

2.1. SOB Strain and Cultivation

In the current study, a specific SOB strain, Acidithiobacillus caldus, was employed as the
test organism. The SOB were obtained from Kangwon National University (Chuncheon,
Republic of Korea) and cultivated in a liquid medium in a 500 mL conical glass flask. The
medium for SOB was prepared according to Johnson et al. (1987) [39] and Duquesne et al.
(2003) [40]. The medium had 0.5 g MgSO4·7H2O, 3 g (NH4)2SO4, 0.5 g K2HPO4·3H2O,
0.1 g KCl, and 0.01 g Ca(NO3)2 per liter of distilled water. The pH of the medium was
adjusted to 3 with 10% sulfuric acid. The medium was autoclaved for 1 h at 120 ◦C and
subsequently cooled at room temperature before use. A filter-sterilized trace-element
solution (10 mL) and sulfur powder (1 g), an energy source for SOB, were added to 100 mL
medium. The trace-element solution included 11 mg FeCl3·6H2O, 0.5 mg CuSO4·5H2O,
2.0 mg H3BO4, 2.0 mg MnSO4·H2O, 0.8 mg NaMoO4·2H2O, 0.6 mg CoCl2·6H2O, and 0.9 mg
ZnSO4·7H2O in 10 mL distilled water. Oxygen was continuously sparged to the medium
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to provide an electron acceptor for SOB. Cultivation was performed in a shaking incubator
(JSSI-070, JSR, Gongju, Republic of Korea) at 37 ◦C with 50 rpm mixing intensity. SOB
were cultivated for 3–4 d. To provide SOB with comparable activity in subsequent toxicity
tests, we evaluated the activity of SOB by measuring changes in electrical conductivity for
1 h before being employed. Only SOB showing an increase in electrical conductivity of
0.10–0.12 mS/cm were used for toxicity tests.

2.2. SOB Toxicity Test and Optimization of Test Conditions

The SOB toxicity test kit consisted of a 25 mL flat-bottom glass vial with a rubber
stopper and a plastic cap (Figure 1).

 

Figure 1. A SOB toxicity test kit. This 25 mL glass-vial-based SOB kit consists of 2 × 105 cells/mL of
initial cell density and 5 mL of media. Headspace and media are purged with oxygen. Incubation is
conducted in a shaking incubator with 120 rpm mixing intensity at 32 ◦C for 30 min.

SOB toxicity tests were conducted as follows. First, a certain amount of SOB and
5 mL of contaminant-spiked medium were added to the kit. Oxygen was sparged to the
headspace of the kit and medium for around 1 min. Then, initial electrical conductivity
(in the solution) was measured using an electrical conductivity meter (InLab 737, Mettler
Toledo, Columbus, OH, USA). The kit was closed with a cap and rubber stopper and
incubated with the vial lying on its side in a shaking incubator for 30 min. After incubation,
electrical conductivity was determined again. All SOB toxicity tests were performed
in triplicate.

Optimization for test conditions (initial cell density, incubating temperature, and
mixing intensity during incubation) of the SOB toxicity kit was performed. We tested 105,
2 × 105, 5 × 105, and 106 cells/mL initial cell densities; 27, 32, 37, and 42 ◦C incubating
temperatures; and 70, 100, 120, and 150 rpm mixing intensities. Hence, a total of 64 combi-
nations of test conditions were evaluated with mercury (0.01, 0.05, 0.1, 0.2, and 0.5 mg/L
Hg2+). We assessed the detection sensitivity and reproducibility of SOB tests with (30 min)
half-effective concentration (EC50) and coefficient of variation (CV) for EC50 from triplicate
kit tests, respectively.

Using the conditions obtained from the above optimization tests, SOB toxicity tests
were conducted using heavy metals (Ag2+, As3+, CN−, Cr6+, Cu2+, Hg2+, and Zn2+) and
petrochemicals (benzene (B), toluene (T), ethylbenzene (E), and p-xylene (X), collectively
referred to as BTEX) to evaluate improvement in the current technique compared to earlier
SOB tests [31,33–35].

2.3. Chemicals and Laboratory Analyses

All chemicals and sulfur powder used in the present study were ACS grade and had at
least 99.9% purity. They were all purchased from Sigma-Aldrich (St. Louis, MO, USA) and
employed without further purification. Contaminants (heavy metals and petrochemicals
(BTEX)) tested in the current study were prepared according to our earlier studies [31–33,35].
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Concentrations of heavy metals were calculated based on ions. BTEX were prepared as
follows. Each crude liquids of B, T, E, and X was diluted in a nutrient mineral buffer [21]
with 0.1% dimethyl sulfoxide twice to create target concentrations of BTEX used in toxicity
tests. Amounts of BTEX in the liquid phase of the test kits were determined before and after
toxicity testing using high-performance liquid chromatography (HPLC, Water Corporation,
Milford, MA, USA). The detailed methodology for using HPLC was presented by Eom et al.
(2023) [35].

The toxicity of each contaminant was evaluated by SOB inhibition (%) using Equation (2).
As described in this equation, toxic responses of SOB (SOB inhibition) to contaminants were
determined by comparisons of increases in electrical conductivity between the controls (the
test kits where no contaminant was spiked) and test samples (where specific concentrations
of contaminant were spiked).

Inhibition(%) =

(
1 − Increase in electrical conductivity in sample f or 30 min incubation

Increase in electric conductivity in control f or 30 min incubation

)
× 100 (2)

EC50 values for contaminants were determined by the Hillslope equation (Equation (3)).
In all dose–response relations, the lowest and highest effects were set to 0% and 100%,
respectively.

Y = Bottom +

(
Top − Bottom(

1 + 10)((logEC50−X)×Hillslope)

)
(3)

where X is the dose of contaminant, Y is the toxic response of SOB (SOB inhibition), Top is
the maximum toxic response, and Bottom is the minimum response.

For filter sterilization of the trace-element solution, Nalgene bottle-top sterile filter
(0.2 μm) was employed. SOB cell density was determined using a hemocytometer (Paul
Marienfeld GmbH & Co. KG, Lauda-Königshofen, Germany). We first measured cell
density in the liquid medium and then diluted it to target cell densities. To evaluate
statistical significance among data (SOB inhibition and EC50 values), ANOVA analysis was
performed. A p-value of less than 0.05 was seen as statistical significant.

3. Results and Discussion

3.1. Optimization for Test Conditions of SOB Toxicity Kit

The results (30 min EC50 for Hg2+ and CV values) from the optimization tests are
summarized in Table 1.

Overall, the employment of smaller initial cell densities (105 and 2 × 105 cells/mL)
was lower (30 min) EC50 values (for Hg2+) than the application of larger initial cell densities
(5 × 105 and 106 cells/mL) under identical incubating temperatures and mixing intensities.
This result indicates that smaller initial cell concentrations yielded more favorable detection
sensitivity than larger initial cell concentrations. In microbial toxicity tests, initial cell con-
centration is a vital factor in determining detection sensitivity because toxicant availability
per cell depends on initial cell density [3,41]. Hence, it is expected that employment of
smaller initial cell density can lead to improved toxicity detection sensitivity. Lin et al.
(2005), Singh and Shrivastave (2015), and Eom et al. (2021) confirmed this advantage (better
detection sensitivity) with the employment of smaller initial cell density [3,41,42]. However,
it was reported that less initial cell concentration can negatively impact test reproducibility
(Lin et al., 2005; Eom et al., 2021) [3,42]. Our data also support this disadvantage (poor test
reproducibility) with the application of smaller initial cell density. Particularly, employment
of 105 cells/mL of initial cell density resulted in fairly greater CV values than application
of 2 × 105, 5 × 105, and 106 cells/mL of initial cell densities. For example, CV values
from the tests in which 105, 2 × 105, 5 × 105, and 106 cells/mL of initial cell densities
were employed ranged 8.3–12.5, 2.1–4.7, 2.3–5.0, and 1.2–5.0%, respectively. These data
show that 105 cells/mL of initial cell density led to poor test reproducibility compared to
the other initial cell concentrations. Among the four tested initial cell densities, we chose
2 × 105 cells/mL as the optimal initial cell density achieving favorable performance in
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both sensitivity and reproducibility. As discussed above, employment of 105 cells/mL of
initial cell density resulted in poor test reproducibility, while application of 5 × 105 and
106 cells/mL of initial cell densities caused relatively inferior detection sensitivity (higher
EC50 values) than 2 × 105 cells/mL of initial cell density.

Table 1. Results from optimization for test conditions of SOB toxicity kit (30 min EC50 for Hg2+ and
CV values, depending on test conditions).

Initial Cell
Density

(Cells/mL)

Incubating
Temperature

(°C)

Mixing
Intensity

(rpm)

EC50

(μg/L)
CV
(%)

Initial
Cell

Density
(Cells/mL)

Incubating
Temperature

(◦C)

Mixing
Intensity

(rpm)

EC50

(μg/L)
CV
(%)

105

27

70 90.7 12.1

5 × 105

27

70 115.7 4.3
100 84.7 12.5 100 99.3 5.0
120 44.7 12.3 120 56.4 4.5
150 48.3 11.4 150 64.7 4.7

32

70 92.0 9.7

32

70 124.0 2.4
100 85.3 8.3 100 114.1 2.6
120 44.0 9.1 120 58.0 3.0
150 44.7 8.5 150 62.3 4.0

37

70 143.0 10.3

37

70 155.0 3.2
100 115.3 10.3 100 133.3 3.0
120 57.3 11.3 120 72.3 3.5
150 60.0 10.0 150 69.7 4.4

42

70 154.3 10.1

42

70 174.7 2.3
100 124.7 10.2 100 147.0 2.4
120 75.1 11.9 120 86.3 5.7
150 72.3 10.2 150 88.0 5.0

2 × 105

27

70 93.3 4.3

106

27

70 142.3 3.3
100 84.0 3.1 100 126.7 2.5
120 44.7 4.6 120 67.7 2.3
150 46.1 3.8 150 74.7 5.1

32

70 96.3 2.2

32

70 146.0 3.1
100 88.3 2.8 100 130.3 1.9
120 38.0 2.6 120 70.7 2.9
150 44.3 2.6 150 72.3 2.1

37

70 144.7 3.8

37

70 160.0 1.7
100 120.3 2.1 100 145.7 4.0
120 60.3 2.5 120 82.0 3.7
150 62.1 3.2 150 79.7 1.9

42

70 165.3 2.4

42

70 187.0 2.8
100 133.7 4.3 100 159.1 4.7
120 78.3 2.7 120 92.7 1.2
150 76.0 4.7 150 94.0 4.6

In terms of incubating temperature, lower temperatures (27 and 32 ◦C) resulted in
more decreased EC50 values than higher temperatures (37 and 42 ◦C). For example, when
incubating temperatures were 27, 32, 37, and 42 ◦C under 2 × 105 cells/mL initial cell
density and 120 rpm mixing intensity, (30 min) EC50 values (for Hg2+) were 44.7, 38.0,
60.3, and 78.3 μg/L, respectively, demonstrating that lower temperatures yielded better
detection sensitivity than higher temperatures. We speculate that incubating temperature is
associated with microbial activity of SOB. SOB are mesophilic bacteria. There are numerous
studies reporting that SOB show active microbial activity up to 40–42 ◦C [43–45]. Our tests
also found that as incubating temperatures rose from 27 ◦C to 42 ◦C, EC increased in the
control tests (where no contaminant was spiked) also escalated, indicating that SOB were
more active as the incubating temperatures increased. However, high activity of SOB did
not necessarily lead to favorable sensitivity in toxicity detection. SOB with high microbial
activity can be less inhibited by the toxicity of contaminants. Therefore, relatively low
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incubating temperatures (27 and 32 ◦C), where SOB showed less activity, achieved better
sensitivity than higher incubating temperatures (37 and 42 ◦C). Test reproducibility, on the
other hand, was not significantly affected by incubating temperatures. CV values from
the tests incubated under 27, 32, 37, and 42 ◦C were not very different if identical initial
cell density and mixing intensity were applied. Among the four tested temperatures, we
chose 32 ◦C as the optimal incubating temperature. EC50 values from 27 ◦C and 32 ◦C
incubating temperatures did not show statistical significance (p-value = 0.17). The CV
values from 32 ◦C incubating temperature were slightly lower than those from 27 ◦C
incubating temperature when initial cell densities and mixing intensities were same.

Concerning mixing intensity during incubation, 120 and 150 rpm showed better detec-
tion sensitivity than 70 and 100 rpm. For example, (30 min) EC50 values (for Hg2+) from
the tests with 70, 100, 120, and 150 rpm under 2 × 105 cells/mL initial cell density and
32 ◦C incubating temperature were analyzed at 96.3, 88.3, 38.0, and 44.3 μg/L, respectively.
We conjecture that mixing intensity provides SOB increased opportunities for contact with
oxygen, which is an e-acceptor of SOB, in the headspace of test kits and with nutrients in
the medium. In our tested range, as mixing intensities raised (from 70 rpm to 150 rpm), EC
increases in the control tests also escalated. This finding suggests that increased mixing
intensity boosts the activity of SOB, which can have a negative impact on detection sensi-
tivity as discussed above. However, mixing intensity can also give SOB the opportunity to
interact with contaminants in water, which is a factor contributing to favorable sensitivity.
Accordingly, increasing mixing intensity creates both positive and negative impacts on
detection sensitivity. Considering EC50 data, the positive impact seems to be stronger than
the negative impact in our optimization tests. Increased mixing intensity to 120 rpm led to
better detection sensitivity. Test reproducibility was not substantially influenced by mixing
intensity; four tested different mixing intensities resulted in largely similar CV values
if identical initial cell densities and incubating temperatures were employed. Because
120 rpm yielded the lowest EC50 values and achieved comparable CV values compared to
the others, we considered 120 rpm the optimal mixing intensity.

In summary, from the optimization tests, we determined that 2 × 105 cells/mL initial
cell density, 32 ◦C incubating temperature, and 120 rpm mixing intensity were the optimal
test conditions, allowing favorable detection sensitivity and reproducibility in our SOB
kit tests.

3.2. Comparisons of SOB Toxicity Test Results between the Current Optimal and
Earlier Techniques

Using the above optimal test conditions, we conducted toxicity tests for heavy metals
(Ag2+, As3+, CN−, Cr6+, Cu2+, Hg2+, and Zn2+) and petrochemicals (benzene, toluene,
ethylbenzene, and p-xylene), and compared the results with data from our previous SOB
tests (Table 2).

As shown in Table 2, the current tests resulted in generally lower EC50 values compared
to earlier ones. For example, our earlier tests [31–34] obtained 1.76–3.62, 0.20, 4.90, 1.17–2.70,
5.00, 0.21–0.92, and 1.55 mg/L of (2 h) EC50 values for Ag2+, As3+, CN−, Cr6+, Cu2+, Hg2+,
and Zn2+, respectively; however, the current (30 min) EC50 values were significantly lower
than the earlier data (currently, 0.195, 0.042, 0.673, 0.456, 0.859, 0.038, and 0.692 mg/L were
obtained for Ag2+, As3+, CN−, Cr6+, Cu2+, Hg2+, and Zn2+, respectively). Furthermore, we
previously had 166.1, 94.4, 38.9, and 34.3 mg/L of (24 h) EC50 values for benzene, toluene,
ethylbenzene, and p-xylene, respectively [35]; currently, 35.7, 20.5, 4.0, and 3.7 mg/L of
(30 min) EC50 values were obtained for benzene, toluene, ethylbenzene, and p-xylene,
respectively. (After 30 min incubation, BTEX concentrations in the liquid phase of test kits
were remained above 94% of initial values, which is in the range of the OECD guidance.
Because our test kits were tightly closed and completely sealed with parafilm, it was
expected that no BTEX escaped from the test kits. Hence, volatilization of BTEX seems to
make no significant impact on EC50 values.) These comparisons of EC50 values indicate that
the current optimized test technique improved sensitivities for toxicity detection compared
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to our earlier technique. In addition, it is worth noting is that we obtained this improved
sensitivity result even with a shorter incubating time (30 min).

Table 2. Comparisons of results from SOB toxicity tests between the current and earlier studies.

Earlier SOB Tests Current SOB Tests

Contaminant
Processing
Time (h)

EC50

(mg/L)
CV
(%)

Reference
Processing
Time (h)

EC50

(mg/L)
CV
(%)

Heavy metal Ag2+ 2 1.76–
3.62 - Gurung et al. (2015) [31];

Ahmed et al. (2018) [33] 0.5 0.195 3.1

As3+ 2 0.2 11.5 Eom et al. (2019) [34] 0.5 0.047 4.5
CN− 2 4.9 12.7 Eom et al. (2019) [34] 0.5 0.676 3.3

Cr6+ 2 1.17–2.7 10.5
Qambrani et al. (2016) [32];

Ahmed et al. (2018) [33];
Eom et al. (2019) [34]

0.5 0.456 3.0

Cu2+ 2 5 - Ahmed et al. (2018) [33] 0.5 0.860 2.4

Hg2+ 2 0.21–
0.92 8.7 Ahmed et al. (2018) [33];

Eom et al. (2019) [34] 0.5 0.038 2.6

Zn2+ 2 1.55 - Ahmed et al. (2018) [33] 0.5 0.692 3.4
Petrochemical Benzene 24 166.1 9.8 Eom et al. (2023) [35] 0.5 35.849 4.6

Toluene 24 94.4 9.5 Eom et al. (2023) [35] 0.5 20.575 3.8
Ethylbenzene 24 38.9 9.7 Eom et al. (2023) [35] 0.5 4.038 4.1

p-Xylenes 24 34.3 8.6 Eom et al. (2023) [35] 0.5 3.803 2.4

The current SOB tests also resulted in favorable test reproducibility. In our earlier SOB
tests [34,35], CV values ranged from 8.6% to 12.7%. However, the CV values obtained from
the present study were fairly lower (2.4–4.6%) than these earlier values. In addition, Van
Coillie et al. (1982) and Blaise et al. (1986) reported that conventional algal toxicity tests ac-
counted for 20–32% of test variability in terms of reproducibility [46,47]. Considering these
data, one may conclude that the current SOB technique shows favorable test reproducibility.

3.3. Advantages of SOB Toxicity Tests

The present study developed an improved SOB-based toxicity test kit for simple and
rapid on-site application. To achieve this, we applied a form of suspended SOB, rather than
SOB attached on sulfur particles, decreased the processing time to 30 min, and optimized
test conditions in terms of initial cell density, incubating temperature, and mixing intensity.
In our earlier tests [2,21,29–35], SOB attached to the surface of insoluble sulfur particles
were used as the test organism. This methodology made it difficult to apply identical
amounts of SOB in the toxicity tests. We estimated the amount of SOB by the amount of
sulfur particles. Furthermore, in our earlier tests [2,21,29–35], contact between SOB and
contaminants was relatively indirect because SOB resided as a form of biofilm (attached
on the surface of insoluble sulfur particles). However, the suspended form of SOB in this
study yielded identical amounts of SOB and SOB made direct contact with contaminants.

As previously discussed, initial cell density determines toxicant availability per cell;
incubating temperature and mixing intensity are relevant to microbial activity of SOB. By op-
timizing these conditions, the current SOB tests showed better detection sensitivity and test
reproducibility than our previous technique. Furthermore, our SOB tests demonstrate more
favorable detection sensitivity even when compared to other existing microbial ecotoxicity
tests. For example, Dalzell et al. (2002) reported that toxicity tests using nitrifying bacteria,
Vibrio fischeri, E. coli, and activated sludges resulted in 22.5–37.5 mg/L, 3.7–41.5 mg/L,
0.87–67.5 mg/L of EC50 values for Cr6+, Cu2+, and Zn2+, respectively [48]. Cho et al.
(2004) showed that Vibrio fischeri-based tests resulted in 0.8–1.6 mg/L, 17.2–18.9 mg/L,
12.6–25.2 mg/L of EC50 values for Hg2+, Cr6+, As3+, respectively [15], which are much
higher than our data. Kudlak et al. (2011) also reported that Daphnia magna-based toxicity
tests obtained significantly greater EC50 values for Zn2+ (11.56 mg/L) and Hg2+ (9.6 mg/L)
than our SOB tests [49].
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Our SOB toxicity tests have numerous advantages compared to other microbial ecotox-
icity tests. SOB are chemolithoautotrophic bacteria, indicating that SOB do not use organic
matters as carbon and electron sources. Moreover, according to our earlier studies [9,34],
SOB showed relatively constant activity even under severe conditions. These properties
of SOB suggest that SOB are less affected by organic substances and characteristics of test
samples. Hence, it is expected that SOB-based tests can be employed in diverse natural
environments. In addition, the species of SOB used in the current study is acidophilic
bacteria. Generally, contaminated water (by heavy metals or various organic contaminants)
has low pH. However, most microbial ecotoxicity tests operate under neutral pH [23,38].
To use these tests, one must adjust pH to neutral. Because pH is a significant factor deter-
mining toxicity, such necessary adjustments of pH can inadvertently alter the initial toxicity
of the test samples [38,50]. On the other hand, the current SOB tests do not require this
pH adjustment; hence, the initial toxicity of test samples is not distorted. Employment
of electric conductivity as an end-point measurement is also a merit of our SOB tests. In
many microbial toxicity tests (such as bioluminescence bacteria or Escherichia coli-based
tests), light absorbance is usually used as the end-point measurement [38,51,52]. This
parameter is highly affected by the turbidity and color of the test samples, potentially
causing false readings of the end-point. However, electric conductivity is independent of
these characteristics of the test samples. Consequently, our SOB-based toxicity technique
can lead to more accurate test results.

In the present study, we also focused on on-site application. In general, microbial
ecotoxicity tests are laboratory-based tests. To measure microbial activity, laboratory
analytical instruments are required. Despite the relatively shorter processing time of
microbial toxicity tests compared to high trophic level organism-based ecotoxicity tests,
several hours of processing of microbial toxicity tests are unsuitable for on-site applications.
In contrast, our SOB tests require a simple portable electric-conductivity meter. The
necessary processing time of the current SOB tests is only 30 min. Moreover, we developed
portable kit-type toxicity tests for better mobility. These advantages make the current SOB
toxicity test technique suitable for on-site applications. However, in spite of these numerous
advantages, our SOB tests still need a portable incubating system for field applications. We
are now developing this system.

Our future research includes further verification of the reliability of the current SOB
toxicity tests with more diverse contaminants. In addition, we will employ this SOB test
to evaluate biochemical and mixture toxicity of contaminants in various environments,
including the hydrosphere, geosphere, and atmosphere.

4. Conclusions

The current study aimed to improve an existing SOB-based toxicity test technique
for simple and rapid on-site application. To achieve this goal, we developed a 25 mL
glass-vial-based toxicity kit test. We employed a form of suspended SOB and decreased the
processing time to 30 min. To yield favorable detection sensitivity and test reproducibility,
we determined the optimal test conditions of the SOB toxicity kit to be 2 × 105 cells/mL
initial cell density, 32 ◦C incubating temperature, and 120 rpm mixing intensity. Compared
to the test results from our earlier SOB technique, the current technique resulted in lower
EC50 values from toxicity tests of diverse contaminants, such as heavy metals, inorganic
nitrogen, endocrine-disrupting compounds, and petrochemicals. It also showed favorable
CV values. Our SOB kit test has a number of advantages, such as no need for advanced
analytic instruments and no distortion of test results from characteristics of test samples,
making it suitable for simple and rapid on-site application.
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Abstract: Persistent organic pollutants (POPs) are posing major environmental and health threats due
to their stability, ubiquity, and bioaccumulation. Most of the numerous studies of these compounds
deal with single chemicals, although real exposures always consist of mixtures. Thus, using different
tests, we screened the effects on zebrafish larvae caused by exposure to an environmentally relevant
POP mixture. Our mixture consisted of 29 chemicals as found in the blood of a Scandinavian human
population. Larvae exposed to this POP mix at realistic concentrations, or sub-mixtures thereof,
presented growth retardation, edemas, retarded swim bladder inflation, hyperactive swimming
behavior, and other striking malformations such as microphthalmia. The most deleterious com-
pounds in the mixture belong to the per- and polyfluorinated acids class, although chlorinated and
brominated compounds modulated the effects. Analyzing the changes in transcriptome caused by
POP exposure, we observed an increase of insulin signaling and identified genes involved in brain
and eye development, leading us to propose that the impaired function of the condensin I complex
caused the observed eye defect. Our findings contribute to the understanding of POP mixtures,
their consequences, and potential threats to human and animal populations, indicating that more
mechanistic, monitoring, and long-term studies are imperative.

Keywords: SVHC; persistent organic pollutants; POP; PFOS; zebrafish; development; behavior;
condensin I

1. Introduction

Sixty years ago, Rachel Carson started raising awareness about persistent organic
pollutants (POPs) in her book “Silent Spring”. She documented the deleterious effects
caused by the indiscriminate use of DDT. Ever since, research has proven and continues to
prove her point; POPs have been listed in the “Stockholm Convention on Persistent Organic
Pollutants” [1]. The European Union and the United Nations Environmental Program
define the persistent organic pollutants (POPs) as “chemical substances that are hard to
degrade, with a tendency to bioaccumulate, transfer through the food web rather easily,
transport across international boundaries, and having long half-lives” [1,2]. They have
been extensively linked to adverse health effects [3–7]. POPs, though very relevant for
modern life, are normally studied in a reductionist approach, where a single compound
is targeted and tested. Nevertheless, POPs are rarely found as stand-alone compounds in
nature [8–10]. Mixtures are the rule [11], and their effects have not been widely described
yet. To understand potential threats resulting from this exposure, studies have been carried
out using chemical mixtures with different approaches ranging from molecular biology to
transgenerational studies, using in vitro, in vivo, and in silico techniques. Studies recently
focused on a constructed mixture of POPs that was designed based on the levels found in the
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blood of a Scandinavian human population [12]. Using cell reporter assays, this mixture was
found to antagonize the androgen receptor transactivation and nuclear translocation [13],
to inhibit the transactivation activity of the aryl hydrocarbon receptor [14], and to induce
cytotoxicity while it enhances nerve-growth-factor-induced neurite outgrowth in PC12 cells
at high concentrations [15]. Microscopic high content analysis (HCA) revealed that some
sub-mixtures affected cell number, nuclear area, and mitochondrial membrane potential in
A-498 human kidney cells [16].

In this study we have chosen zebrafish larvae due to their many technical and practical
advantages. To name a few, the zebrafish (Danio rerio) shares a non-negligible amount of
genetic pool with humans (up to 80%), small size, and ease of maintenance in captivity,
high fecundity and short times till adulthood and reproduction, amongst many others [17].
In this context, research using zebrafish has shed some light on the toxicological features
of chemical compounds. Therefore, the aim of this research was to employ zebrafish
larvae as a model organism to describe the many adverse developmental effects caused by
realistic doses of the POP mixture and of specific sub-mixtures. Furthermore, we performed
RNA-seq analysis on the larvae exposed to the POP mixture, aiming at elucidating the
mechanism of action for specific observations.

2. Materials and Methods

2.1. Zebrafish Husbandry and Ethical Considerations

Adult wild-type zebrafish of the AB strain and the transgenic line Tg(kdrl-mls:GFP) [18]
were obtained from breeding facilities at the GIGA-Institute, Liege, Belgium. Fish mainte-
nance, breeding conditions, and egg production were described in detail [19,20] and are in
accordance with internationally accepted standards. Animal care and all experimentation
were conducted in compliance with Belgian and European laws (Authorization: LA1610002
Ethical commission protocol ULg19-2134 and Ulg19-2135).

2.2. Chemicals and POP Mixture

Dimethyl sulfoxide (DMSO, >99.9%, CAS number 67-68-5) was purchased from Sigma-
Aldrich (Merck KGaA, Darmstadt, Germany). The stock solutions for the total POP mixture
and six sub-mixtures were designed and prepared by the Norwegian University of Life
Sciences, Oslo, Norway [12] as indicated in Supplementary Table S1. Briefly, the total POP
mixture was designed to represent a mixture of 29 compounds at 1,000,000-fold the mean
concentrations found in the blood of a Scandinavian population, while the sub-mixtures
consisted of either one single class of these compounds (PFAA, Br, Cl) or of two combined
(PFAA + Br, PFAA + Cl, Br + Cl) classes. Stock solutions of POP mixtures and their
sub-mixtures were prepared in DMSO and stored at −20 until the day of testing. For all
treatments, we used the stock solution (1,000,000×) that was further diluted on the testing
day in E3 zebrafish raising media [21]. Next, the concentration of DMSO was corrected to
achieve 0.1% in all cases, including the control groups.

2.3. Exposure Tests

Exposure tests were performed in 6 well-plates, with 25 fertilized eggs per well in
4 mL of E3 medium supplemented or not with the test compounds. For each experiment,
150 fertilized eggs were selected, 50 as controls and 100 for the specific treatment, to ensure
a sufficient number of treated individuals for the tests. Each treatment was repeated at
least three times in independent experiments. To keep stable chemical concentrations, we
used a static-renewal approach where at least 90% of the media was refreshed every 24 h.
Exposure started between 0 to 6 h post fertilization (hpf); the larvae were treated for at least
96 h. Finally, following the guidelines of the OECD Test number: 236, we tested 8 different
concentrations (1×, 5×, 25×, 75×, 125×, 250×, 500×, 1000×) to estimate the median lethal
concentration LC50.
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2.4. Morphological Observations

A set of morphological features was recorded, including presence of edemas, inflation
of the swim bladder, eye malformations, etc. Pictures of treated and untreated larvae at
different stages were taken. All observations were made with a stereomicroscope Leica
M165 FC (Leica Microsystems©, Leica, Wetzlar, Germany). Standard length was estimated
in fish at 5- and 10-days post fertilization (dpf) using FIJI line tool for measurement
(ImageJ2, v. 2.3.0/1.53f).

2.5. Mitochondrial Toxicity

Estimation of the mitochondrial integrity in the blood vessels was conducted using
the transgenic zebrafish line Tg(kdrl-mls:GFP), which expresses the fluorescent protein
GFP fused to a peptide targeting it to the mitochondria (MLS) under the control of the
endothelial cell-specific promoter sequence of the zebrafish kdrl gene. Heterozygous
parents for the transgene were crossed, offspring carrying the transgene were selected
based on fluorescence at 24 hpf and separated in control and treated groups. Then, the
exposure test was carried on as described above. Fluorescence intensity was observed,
and pictures were taken at 120 hpf using the epifluorescence stereomicroscope Leica
M165 FC (Leica Microsystems©). Then, fluorescence was quantified using FIJI. Since the
transgene is expressed in all blood vessels (head, heart, etc.), to avoid overestimation of
the intensity, values were obtained from sectioning the body in a lateral view and using
only the tail, from the opening of the anus to the caudal peduncle. Each intensity value
was determined using the corrected total fluorescence (CTF) [22] and expressed as RFU
(relative fluorescence units).

2.6. Heart Rate

Heartbeats were counted manually using an inverted Nikon Eclipse TS100 microscope
and a counter for 15 s. To obtain the beats per minute (BPM), measurements were multiplied
by 4. The heart rate was estimated on 96 hpf larvae that were acclimated to the lighting
conditions for no less than 5 min prior to counting; the larvae were not immobilized by
anesthetics or other means. Each larva was observed sequentially at least three times.
Ten larvae were observed per treatment and each experiment was performed at least
in triplicate.

2.7. Behavior

Behavioral tests were conducted on zebrafish larvae at 98~120 hpf and every test was
performed between 10:00 and 13:00 to maintain a constant position in the circadian cycle.
During the entire exposure period to the chemicals, special care was taken to avoid the
interference of environmental factors. Exposed larvae were shielded from loud noises,
changes in the temperature of the incubator (27–28 ◦C) and the raising media (~26◦ at the
time of testing), changing light conditions and activities in the room by putting them in a
specific enclosure harboring its own, constant dark/light regime. Prior to each behavioral
test, the zebrafish larvae were inspected under a stereomicroscope to select and transfer to
the testing plates only individuals devoid of any malformation that might interfere with
mobility outcome (e.g., yolk sac or pericardial oedemas, spinal aberrations, aberrations
in pigmentation, and/or loss of equilibrium, etc.). The larvae were placed individually
in a well of a 96-well plate and observed using a ViewPoint® Zebrabox system and its
tracking software (ViewPoint Life Sciences, Lyon, France). The light level was set to 20%
on the ViewPoint software (7.45 klux, TES 1337 light meter), while infrared light (850 nm)
was used to track larval activity. We applied a light–dark cycle that lasted for a total of
1 h and consisted of 20 min of light, allowing for the larvae to acclimate to the situation
and discarded from the analysis, followed by 10 min of darkness, 10 min of light, 10 min
of darkness and 10 min of light. The video and tracking software were used to screen
larval locomotion behavior for 10 s intervals; the distance travelled, and the time spent
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active were determined and, from these parameters, the mean swimming speed was also
calculated by dividing the cumulated distance travelled by the total time spent active.

2.8. Injection of Antisense Oligonucleotide Morpholino

As previously described [23,24], one cell-stage embryos were injected with a concentra-
tion of 100 μM of MOp53 (MO, Gene Tools Inc., Philomath, OR, USA). The morpholino was
diluted in Danieau buffer and 0.5% tetramethylrhodamine dextran (Invitrogen, Merelbeke,
Belgium). To assess the effects of morpholino injection, 150 individuals were microinjected
in two independent experiments, followed by exposure to chemicals as described above.
Sequence of the morpholino oligonucleotide:

MOp53: 5′-GACCTCCTCTCCACTAAACTACGAT-3′

2.9. RNA Extraction

RNA was extracted from pools of 65 larvae at 5 dpf using the RNA mini extraction kit
(Qiagen, Hilden, Germany). Samples were lysed in RLT+ buffer with β-mercaptoethanol
(Sigma-Aldrich, St. Louis, MO, USA) and homogenized at least 10 times with a 26-gauge
needle in a 1 mL syringe. An amount of 22 μL of RNAse free water was used to resus-
pend total RNA. RNA extract was treated with DNAseI (Qiagen, Hilden, Germany) to
avoid DNA contamination. Quantity (ng/μL) and quality (260/280 and 260/230 ratios)
of each extract was assessed by nanodrop spectrophotometer measurements. Poor qual-
ity (260/280 < 2; 260/230 < 2) samples were subsequently purified by lithium chloride
precipitation, followed by 2 times pellet washing with 70% ethanol, and resuspended in
51 μL of RNAse-free water and stored at −80 ◦C. The integrity of total RNA extracts was
assessed with BioAnalyzer analysis and provided RIN (RNA integrity number) scores for
each sample (Agilent, Santa Clara, CA, USA).

2.10. RNAseq

cDNA libraries were generated from 100 to 500 ng of extracted total RNA using the
Illumina Truseq mRNA stranded kit (Illumina, San Diego, CA, USA) according to the man-
ufacturer’s instructions. cDNA libraries were then sequenced on a NovaSeq sequencing
system, in 1 ×100 bp (single end). Approximatively 20–25 M reads were sequenced per
sample. The sequencing reads were processed through the Nf-core rnaseq pipeline 3.0 [25]
with default parameters and using the zebrafish reference genome (GRCz11) and the
annotation set from Ensembl release 103 (www.ensembl.org; accessed 1 May 2020). Dif-
ferential gene expression analysis was performed using DESeq2 pipeline [26]. Pathway
and biological function enrichment analysis was performed using the WEB-based “Gene
SeT AnaLysis Toolkit” (http://www.webgestalt.org; accessed on 10 November 2022)
based on the integrated GO (Gene Ontology), KEGG (Kyoto Encyclopedia of Genes and
Genomes) [27,28], Panther, and WikiPathways databases (all accessed on 10 November
2022 via http://www.webgestalt.org). An additional database was constructed using the
Gene-mutant/Phenotype database from zfin (zfin.org; accessed on 6 March 2023). The
cut-off values were set for the false discovery rate (FDR) to “adjusted p value < 0.05” and
the fold change > 1.5.

2.11. Data and Statistical Analysis

For the estimation of the lethal concentration (LC50), data were transferred to R
(4.0.2) [29] and the command “dose.p” used in the library “MASS” [30]. Morphological and
fluorescence data were transferred to Prism 9.0.0 (v86) (Graphpad, San Diego, CA, USA).
Each data set was tested for normality (e.g., using a visual cue (QQ plot), D’Agostino–
Darling and Shapiro–Wilk tests) and equal variances (Bartlett’s test). Thus, parametric or
non-parametric tests were performed, as indicated in each case in each figure.

Raw behavioral data sets consisted of tables holding the positions of each larva in
each video frame (30 frames/second). This table was first trimmed to eliminate very
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short, oscillating, and likely artefactual movements, and then aggregated into 10-s periods
for further analysis. These data were transferred to R version 4.0.2 to analyze motility
during the dark and light phases. To assess behavior, we used linear mixed effect (LME)
models within the “nlme” package [31]. Three dependent variables were used, either the
“mean time spent active” (seconds), the “mean distance travelled” (mm), or the “mean
swimming speed” (calculated as the mean distance travelled/mean time spent active)
within each 10 s period, with “compound” and “time” as the categorical and continuous
independent variables, and “batch” as a random effect. The “Anova” command within the
“car” library [32] was used to extract the results for the main effects whereas the “lsmeans”
command [33] within the “emmeans” library was used as a post-hoc test to compare groups
against one another while adjusting for the means of other factors within the model [34].
Type II sum of squares was used for the model. Two kinds of analyses were performed (see
also below in results): the “startle” response including the 10 s prior to change of phase
(light to dark, or dark to light) with a length of 50 s and the values obtained for 560 s after
the spike (the remaining time of the phase). Confidence was assigned at α = 95% and a
p-value of ≤ 0.05 was considered as significant, p ≤ 0.05 (*), ≤ 0.01 (**), ≤ 0.001 (***).

3. Results and Discussion

3.1. LC50–Chronic Exposure to Total POP Mix Is Lethal at Relatively High Doses

In a preliminary range-finding experiment, we exposed AB zebrafish fertilized eggs to
eight concentrations (1×, 5×, 25×, 75×, 125×, 250×, 500×, 1000× the mean human blood
concentration) of the total POP mixture and we monitored survival at 24, 48, 72, and 96 hpf
(Figure 1A) compared to untreated controls. The median lethal concentration (LC50) for this
mixture was calculated at 386-fold the human blood concentration (386×). Consequently, in
the following experiments, we limited the concentration range to 75×, 125×, and 250× the
mean human blood concentration. This may seem high considering a normal population;
however, we must consider that the chorion is a protective layer, which can be crossed
easily by molecules with a size below 4000 Da [35]. The POPs studied here are hydrophobic
and of small size; thus, they are potentially able to cross the chorion and to exert their
effects right after adding the solutions to the media. Previous experiments revealed that
only about 10% of, e.g., PFOS could be found in zebrafish larvae exposed (continuously,
i.e., without medium change) for 96 hrs to the compound [36], while between 0 and 16% of
the nominal amounts were found in larvae exposed to the POP mixture [37]. Given their
high bioconcentration values (BCF factor used to estimate the potential to bioaccumulate)
and the persistent nature of these chemicals [38,39], the harmful concentrations used here
may be, eventually, reached in individuals that are constantly exposed, exerting their
effects in later stages in life while continuing to accumulate through the many pathways
of exposure [40–42]. Thus, we can assume that, in our experiments, larvae are exposed to
concentrations of the POP mix that may be reached in exposed populations [43].

3.2. The POP Mix Significantly Reduces the Standard Length of Zebrafish Larvae

We first evaluated the effect of the POP mixture on general growth by measuring
the standard length of the larvae at 5 dpf after continuous exposure to the POP125×
(125× human blood concentration) mix. In parallel, we also tested equivalent concentra-
tions of the different sub-mixtures. At 5 dpf, the average size of the larvae was significantly
affected, fish treated with the total POP125× mix were significantly smaller by about 10%
(from 3.4 to 3.1 mm) (Figure 1C). Among the single sub-mixes, only the PFAA mix resulted
in a significantly decreased standard length, similar to but slightly less than the POP125×
mix. Cl and Br mixes alone did not cause a clear effect. In line with these observations,
only the binary mixtures containing PFAA (PFAA + Cl, PFAA + Br) caused a similar effect
on standard length comparable to PFAA alone. Cl + Br had no effect. Thus, only those
mixtures containing PFAA affected the size of zebrafish larvae at 5 dpf.
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Figure 1. (A) Survival after 96 h of exposure to POP mixture. Survival decreases drastically at
386×. (B) Survival rate for POP mixtures and sub-mixtures at 10 dpf; ordinary one-way ANOVA
and Dunnett’s multiple comparisons test. (C) Standard length of fish at 5 dpf. Data presented as
median with higher and lower quartiles for each treatment. Asterisks (*) indicate when significant
differences were found compared to control, hash sign (#) when differences were found relative
to PFAA alone. (D) Fish measured at 10 dpf. Missing groups due to high mortality rates were
not included. Kruskal–Wallis and Dunn’s multiple comparison tests, p ≤ 0.01 (**), p ≤ 0.001 (***),
p ≤ 0.0001 (****). In short, PFAA < Total Mix < Cl = Br = Control.

Previously, exposure to PFOA 4 ng/mL has been found to decrease the body length
of 3 dpf zebrafish larvae, but not at 40 or 400 ng/mL [44]. In contrast, other PFAS (PFBA,
PFHxA) did cause decrease of size at 40 and 400 ng/mL. Another study revealed that
PFOS or PFOA decreased total body length at 200 or 2000 ng/mL, respectively [45]. Here,
we used 217 ng/mL in the 125× POP mix for PFOA, in addition to PFOS and PFHxS, to
analyze the effect on standard length at 5 dpf. Taken together, there is clear evidence that
PFAS affects larval growth.

After halting the exposure (at 96 hpf) we kept the larvae to grow in normal E3 medium,
free of POPs until 10 dpf. We observed a significant lethality during this period, which
was not assessed in the preliminary experiment (Figure 1B). Among the surviving larvae,
only those exposed to PFAA + Br were significantly smaller (Figure 1D), while all other
treatments including PFAA, as well as the total mix, left no survivor. PCB and PBDE
congeners were previously shown to impact survival of zebrafish larvae at concentrations
around 1–5 μg/mL [46,47]; we did not observe a significant lethality induced by the Cl
and Br mixtures here, suggesting that the congeners present in the POP mix are indeed
less toxic.

3.3. Common Developmental Toxic Effects Such as Edemas and Non-Inflated Swim Bladder Were
Commonly Found following Exposure to POP Mix

We also looked for other developmental defects induced by the different treatments,
according to the recommendations for the Zebrafish Embryotoxicity test [48]. The most
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striking features observed were the presence of edemas and non-inflated swim bladder.
Even at the lowest concentration of the total mix (POP 75×), a relatively large proportion of
the population had edemas (~70%). Using the swim bladder as another phenotypical end-
point to assess developmental retardation, a high number of fish (close to 100%) presented
developmental impairment of their swim bladders after 96 hpf compared to only 50% in the
controls at this stage (Figure 2). While edemas are commonly observed in toxicity assays,
they may have been caused in our experiments (whether yolk sac or pericardium) by the
presence of PBDE47 [49]. The lack of inflation of the swim bladder is less common; it was
previously reported as being affected by exposure to PFOA at 4.7 ng/mL [50] by interfering
with thyroid hormone signaling. Other chemicals present in the mixtures may in addition
contribute to disruption of thyroid hormone action [50]. Underdevelopment of the swim
bladder would have important ecological consequences, impeding the normal swimming
of the larvae at a crucial age.

 

Figure 2. Examples of fish treated and untreated with the POP mix. Several malformations and
size differences are striking. Pictures were cropped purposefully to enhance the differences found.
(A) Fish treated with POP250x, red arrow pointing at the non-inflated swim bladder, blue arrow
pointing at a pericardial edema. (B) Fish treated with POP125×. (C) Control, size bar = 1 mm.
(D) Edema, as percentage of the population having this malformation. (E) Non-inflated swim bladder
at 96 hpf, as percentage of population. Data presented as mean percentage of population having either
malformation and standard deviation; ordinary one-way ANOVA and Tukey’s multiple comparison
test, n = 100, p ≤ 0.001 (***).

The deleterious effects we describe here were only seen after 72 hpf. In a preliminary
experiment (data not shown), we tested the capabilities of early developmental disruption
of the POP mix and could not find a clear effect at stages earlier than 72 hpf, almost three
full days of continuous exposure. A similar observation was made previously when testing
pharmaceutical pollutants, some of which exerted their effects mainly on 72 and 96 hpf
larvae [21]. We hypothesized that, though the chemicals would cross the chorion and be
taken up by the embryos, the absence of some targeted molecules at these early stages
would make them impervious to the POPs’ effects. That would be the case of thyroid
follicles that start developing after 96 hpf [51]; hence, some PBDEs would not be exerting
their effects through this pathway until a later stage.
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3.4. Striking Eye Malformation in Fish Treated with Any of the POP Mix and Its Sub-Mixes

One outstanding feature we observed was the pear-like shaped eyes, with dents
in the polar regions on the eyeball of the fish treated with the POP mix (Figure 3A–C).
Compared to the control group (~7%), treatment with the POP75× mix affected about
50% of affected larvae, while POP125× affected about 70% and POP250× close to 90% of
the fish (Figure 3D). When we tested the sub-mixtures at 125× the mean human blood
concentration, we observed that each of the single mixes caused a slightly lower fraction
of affected individuals (Figure 3E) compared to the total POP125×. However, the dual
combinations PFAA + Br or PFAA + Cl reached similar levels to POP125×; addition of
either Br or Cl significantly increased the incidence of this malformation relative to PFAA
alone, indicating that each sub-mixture contributed to various degrees to the effect caused
by the POP mix.

 

Figure 3. Example of eye malformation. (A) Untreated larva 4 dpf; (B) flattened eye with dents at
both the upper and lower side of the eye and (C) eye hypoplasia of treated larvae with POP125×;
(D) dose-based prevalence of eye malformation; (E) prevalence of eye malformation in larvae upon
treatment with the different POP sub-mixtures. Data is presented as mean percentage of population
having eye malformation and standard deviation; ordinary one-way ANOVA and Šidák’s multiple
comparison test, n = 100, p ≤ 0.001 (***). Asterisks indicate when significant differences were found
compared to control, hash sign (#) when differences were found compared to PFAA. (F) Prevalence of
eye malformation present in fish exposed to POP125× relative to untreated individuals. Columns rep-
resent the effect of POP125 treatment in larvae previously injected with Mop53 (POP125× + injection)
or not (POP125×). A Fisher’s exact test revealed the difference with a significance of p = 0.055 (*).

This malformation of the eyes was one of the most striking and unexpected effects.
Previous studies have shown a link between eye malformation and certain compounds or
the suppression of expression of certain genes. Two main eye malformations are described
in the literature: either eyes were absent (anophthalmia), or their size was reduced (mi-
crophthalmia). The first is linked to the absence of genes such as chokh/rx3 [52], while the
second is linked to the expression of many different genes, such as sox2 [53], otx2 [54], pax6a,
or pax6b [55]. Regarding chemical exposure, these two morphological aberrations have
been described after treatments with a variety of chemicals, such as phenylthiourea [56],
gold nanoparticles [57], di-butyl phthalate [58], and PCBs (Aroclor 1254) [59]. Retinal
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defects have been shown in workers exposed to solvents or heavy metal, and defects in
photoreceptor cells were described in zebrafish exposed to PBDEs or PCBs [60]. However,
to the best of our knowledge, this is the first time the pear-like shape and microphthalmia
are described as a malformation caused by these kinds of mixed organic pollutants. We
did not observe a correlation of this malformation with any of the other defects that we
observed, indicating that a specific mechanism is involved.

One previously described zebrafish mutant, the cap-gs105 mutant, presents a reduction
of retinal cell number and smaller eyes similar to what we observed here [61]. The cap-g
gene codes for a component of the condensin I complex involved in the regulation of
chromosome condensation and segregation during mitosis. The cap-gs105 mutation of this
gene causes increased apoptosis in proliferating retinal stem cells, leading to a small eye
phenotype, which could be partially rescued by interfering with the expression of the
pro-apoptotic gene p53. We thus decided to test the effect of the POP125× mix on zebrafish
larvae that had been previously micro-injected with antisense morpholino directed against
the p53 gene. Although injection of the MOp53 alone seems to generate some eye deformities
on its own, the eye malformation induced by POP125× was significantly reduced in fish
injected with MOp53 (Figure 3F), similar to what was observed for the cap-g105 zebrafish
mutant [61]. Further support for this mechanism and the genes involved in this striking
phenotype will be given in the transcriptome analysis section below.

3.5. Heart Rate Is Severely Affected after 96 h of Exposure, Especially When PFAAs Were Present

Next, we tested the effect of the total POP mix on the heart rate of the zebrafish
larvae at 96 hpf. We witnessed a significant, dose-dependent increase in the heart rate
upon treatment with the total mixture (Figure 4A). Testing the sub-mixtures at 125×
concentration, the most pronounced effects were observed in those treatments where PFAA
mix was present (Figure 4B). A weaker, but significant difference was observed as well with
the Cl mix, while no significant effect was found using only the Br mix.

 

Figure 4. (A) Heart rate (BPM, beats per minute) of treated and untreated zebrafish using 3 dif-
ferent concentrations of the total POP mix. (B) Heart rate of all the fish exposed to the different
treatments and measured at 4 dpf. Kruskal–Wallis test and Dunn’s multiple comparison, n = 30,
p < 0.05 (*), p ≤ 0.001 (***). Asterisks indicate when significant differences were found compared to
control, hash (#) sign when differences were found compared to PFAA.

All binary mixtures (PFAA + Br, PFAA + Cl, Br + Cl) significantly increased the heart
rate; however, the PFAA mix exerted a dominant effect while the increase caused by Br + Cl
was clearly lower compared to those due to any of the treatments where PFAA was present.
The highest heart rate was recorded in the fish exposed to the binary mixture PFAA + Br
(197 ± 17 BPM vs. Control = 157 ± 9 BPM).

PFOS and PFOA have been shown to increase the heart rate in 72 hpf zebrafish larvae
at, respectively, 500 ng/mL and 75 μg/mL [62], indicating that PFOS may be the main
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agent here. Chemicals such as perfluorononanoic acid (PFNA) can alter gene expression
linked to cardiac development by dysregulating genes such as amhc, nppa, nkx2.5, edn1
and tgfb2 [63], but no effect on heart rate was shown. Similarly, there are 12 dioxin-like
PCBs (e.g., PCB 118) that have been associated with heart conditions such as hypertension
and cardiac defects [64,65]. These effects have been linked to the activation of the aryl
hydrocarbon (AhR). More interestingly, even small doses of 1,2,5,6-tetrabromocyclooctane
(HBCD) cause arrythmia through dysregulating the function of sarcoplasmic/endoplasmic
reticulum Ca2+ ATPase (SERCA2a) [66]. The latter is encoded by the atp2a2a and atp2a2b
genes, of which only atp2a2a was significantly induced after exposure to POP125× (see
below). Thus, the role of Atp2a2 in inducing arrythmia is very likely, although the precise
mechanism remains unclear. Finally, the cardiotoxic effects of organochlorine pesticides
have been clearly described previously [67]. The mechanisms may vary but most of the
compounds within the different mixes undoubtedly have the potential to alter the heart rate,
leading to cardiac conditions such as arrythmia, hypertension, and other cardiac defects.

3.6. Fish Were Hyperactive and Responded Notably to Changes in Illumination

To test for behavioral effects, indicative of potential neurological defects, we used a
standard 10-min light–dark swimming activity protocol to assess the parameters “time
spent active”, “distance travelled”, and “swimming speed” in 10 s intervals. Due to the
high number of multiple malformations in the larvae in POP250x, this dose was excluded
from the behavioral analyses.

3.6.1. Dark–Light Response

In Figure 5, we illustrate the changes in behavior observed after treatment with the
total mix POP125× compared to the control, untreated larvae at 5 dpf. As expected, we
observe an increase in all parameters in control larvae during the dark phase, compared
to the light phase. We can also observe the initial increase in all parameters at the start of
the dark phase, which decreases in time while the larvae acclimate to the new situation.
This decrease is even much faster in the POP125×-treated larvae. In contrast, we observe a
stronger spike in activity when switching to the light phase, indicating that the larvae do
perceive the change in lighting conditions, but rapidly return to a slightly higher activity
compared to the dark phase.

The effects recorded during the dark and light phases (excluding the spikes, see below)
were different depending on the compounds used (Figure 6). For instance, POP125× was
the only compound that increased the swimming speed (SWS) during the dark phase,
whereas binary mixtures containing Cl (PFAA + Cl and Br + Cl) decreased the speed
significantly compared to controls (Figure 6A). Cl alone decreased the speed significantly
only when compared to PFAA, itself slightly, but not significantly, higher than control.
Thus, it appears that Cl was mainly responsible for decreasing swimming speed during
the dark phase. During the light phase, more striking effects on the swimming speed were
seen. Overall, all treatments (except Br) caused a faster swimming speed; however, only
those mixtures where PFAA was present caused a significant increase compared to the
control group. Fish exposed to the POP125× mix were swimming the fastest, followed by
the binary mixtures PFAA + Br and PFAA + Cl, and finally PFAA (Figure 6B). Thus, while
only PFAA alone caused a significant increase in swimming speed, addition of Cl or Br in
the binary mixtures further enhanced this effect.

Time spent active (TSA) was similarly significantly affected (Figure 6C,D). POP125×
caused the highest increase in activity in both the dark and light phases. During the dark
phase, the presence of PFAA and PFAA + Cl significantly decreased TSA values, similar
to the Cl and Br + Cl groups. During the light phase, a dramatic increase in activity was
observed in fish exposed to POP125×, while PFAA, PFAA + Br, and PFAA + Cl caused a
significant, but weaker, increase. Br, Cl, and Br + Cl did not affect TSA relative to control,
they were thus significantly different from PFAA.
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Figure 5. Actogram example of (A) swimming speed, (B) time spent active, and (C) distance travelled
during 20 min of the tests, starting with 10 min dark phase followed by 10 min light. For comparison,
control larvae are shown alongside POP125×-treated larvae. Two spikes can be appreciated when
the fish entered a different phase.

The distance travelled (DT) during the dark phase was significantly higher in fish
treated with POP125×, but lower in fish treated with PFAA + Cl and Br + Cl. During
the light phase, a large increase in DT was seen upon POP125× treatment, while PFAA,
PFAA + Br, and PFAA + Cl, caused weaker, but still significant, increases, similar to what
was observed for the TSA (Figure 6E,F).

Behavior is a complex endpoint, hard to analyze, and where many variables could
be playing a role and inducing changes. One of the first hypotheses we thought of to
explain the altered behavior was related to compounds binding to brain aromatase or
Cyp19a1b. This protein (or its isoforms) is present from 24 hpf [68] and several studies have
reported changes in swimming behavior triggered by compounds such as fadrozole (a well-
known aromatase inhibitor) or other endocrine disrupting chemicals like a PCB mixture
(aroclor 1254), PBDE-47, or PFOA in various fish species [69–73]. However, involvement of
classical endocrine disruptors was ruled out for environmental effects, either due to the
high concentrations used (fadrozole), or to the observation that hormone antagonists did
not revert the changes [73]. In our experiments, the most obvious alterations of behavior
were caused by the PFAA sub-mix (with PFOA and PFOS at the highest concentrations
in the mix). We also observed a significant effect of Br or Cl, also adding to the effect
when used in combination with PFAA, although never reaching the extent of the full
POP125× mix. Thus, we cannot discard eventual synergistic or additive effects caused
by the presence of the other chemicals within the mix. The behavior altering properties
of PFAAs have been described before, in various settings. At very low concentrations
between 7–700 ng/L, PFOS or PFOA led to decreased activity in 5 dpf larvae when tested
alone, but increased activity when both compounds were tested together [72]. Increased
activity was also observed for PFOA at 400–4000 ng/mL [44] or at 300 to 2000 ng/mL
considering only the dark phase [37], consistent with our findings. These authors also
suggested that hyperactivity was linked to alterations in calcium signaling involving the
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ryanodine receptor Ryr and affecting muscular contractions. Also, sensitization of the
RYR by PCBs (e.g., 28, 138 and 153) can cause a developmental neurotoxicity [74], hence
affecting the photomotor response of the larvae.

 

Figure 6. Behavior tests during the dark (left) and light (right) phases: swimming speed (A,B), time
spent active (C,D), and distance travelled (E,F) for all treatments. All data were calculated excluding
50 s in the transition zone between light and dark phases, and the values were normalized relative
to the corresponding controls for dark and light phases, n = 72, p < 0.05 (*), ≤ 0.01 (**), ≤ 0.001 (***).
Asterisks (*) indicate when significant differences were found compared to control, hash (#) sign
when differences were found against PFAA.

3.6.2. Startle Response

As mentioned above, we noticed that each time fish were recorded, we could observe
a dramatic increase in their activity (spike) at the moment of drastic transition from light
to dark or back to light. Thus, we decided to focus on this spike response by analyzing
only the 50 s around the transition. For the light–dark transition, we observed an increased
startle response for the POP125× mix, which was even higher for the PFAA sub-mix, but
somehow attenuated by addition of Br in the PFAA + Br sub-mix and Cl in the PFAA + Cl
sub-mix reaching significance only for swimming speed (Figure 7). Interestingly, Br alone
had no effect, while Cl alone significantly increased all parameters relative to controls. In
the dark–light transition, this increased response was also observed, this time higher for
the POP125× mix compared to all other mixtures containing PFAA. Br and Cl alone or in
combination had no effect at all compared to control, while only marginally modulating
the effect of PFAA in binary mixtures.
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Figure 7. Swimming speed (A,B), time spent active (C,D), and distance traveled (E,F) for all treat-
ments. Left column, parameters during the dark phase, right column, parameters during the light
phase. All results were calculated using 50 s during the transition zone between light and dark
phases, n = 72, p ≤ 0.01 (**), ≤0.001 (***). Asterisks (*) indicate when significant differences were
found compared to control, hash sign (#) when differences were found against PFAA.

Taken together, our results indicate that the immediate startle response, presumably
corresponding to the larvae reacting to any change in environmental conditions, is amplified
by the presence of POPs, especially PFAA. This is consistent with the overall higher activity,
as described above; however, the Br and Cl components seem to modulate this startle
response more strongly. PBDEs such as BDE-47, -99, -100, and -153 have been shown to
alter behavior at concentrations as low as 2.5 μg/mL depending on the congener [46].
According to these authors, the drastic response of the larvae in lighting transition can
be explained by alterations in the glutamatergic transmission and changes in electrical
coupling in the presence of PBDEs or PCBs.

3.7. Mitochondria Responded Notably to POP Mixture

To test the effect of the POPs on mitochondria, we used the transgenic line Tg(kdrl-
mls:GFP), which expresses the green fluorescent protein GFP in the endothelial cells of the
vasculature and directs it to the mitochondria via its Mls signal peptide [18]. Note that
the expression of the endogenous kdrl gene is not significantly affected by POP treatment
(see below and Table S2). Exposure of these embryos to POP mixes led to a significantly
increased fluorescence with POP125×, while only combined sub-mixes PFAA + Br and
Br + Cl caused a significant increase (Figure 8). The higher levels of activity in mitochondria
seem to be linked to OCPs and PCBs, which are explained by a POP-induced imbalance
in redox, hormone homeostasis, and mitochondrial dysfunction; the mechanisms are
discussed in further detail in [75,76].
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Figure 8. (A) Transgenic Tg(kdrl-mls:GFP) fish line treated with POP125×. (B) Plot with median
values of the normalized fluorescence intensity of fish treated with different POP mixes at 96 hpf.
There is a clear increasing trend. Kruskal–Wallis test and Dunn’s multiple comparison, n = 21,
p < 0.05 (*), p < 0.01 (**), p < 0.001 (***).

3.8. Gene Expression Is Severely Affected by Exposure to POPs

To gain further insight into the molecular mechanisms affected by POP exposure,
we compared the whole genome transcriptome of control larvae to that of larvae treated
with POP75× or POP125× by RNA-Seq analysis on whole larvae at 5 dpf. The number of
differentially expressed genes (DEGs at padjust < 0.05) was 172 and 2466 for, respectively,
POP75× and POP125× treatments, with 1531 genes that were upregulated and 935 that
were downregulated by POP125×.

Interestingly, the huge majority (169/172) of DEGs affected at the lower concentration
were also, and more strongly, affected at the higher concentration (Figure 9A, see also
Table S2). As an example, the fbxo32 (involved in muscle morphogenesis and homeostasis,
and in larval behavior), fosb (transcription factor of the AP1 family), and cdca7a (regulation of
hematopoietic stem cell differentiation, thymus development) genes were not significantly
affected at POP75× (log(fold-change), respectively, 0.64, 0.57, and −0.65, padj > 0.05), but
were strongly affected at POP125× concentration (log(fold-change) of, respectively, 2.45,
2.20, and −1.31, padj << 0.05) (Figure 9B). Another such gene is calcoco1b, coding for a
calcium binding protein acting as a translation elongation factor.

The most highly, and most significantly, regulated genes are mostly upregulated
genes. Among the most highly induced genes, we observe fosl1a, fosb, and junba which
together form the AP1 transcription factor regulating cell proliferation, differentiation, and
stress response [77]. Also, among these upregulated genes are the two paralogs igfbp1a
and igfbp1b, coding for Igfbp proteins that interact with insulin-like growth factors (IGFs)
to stabilize them and modulate their effects on growth and glucose metabolism. The
cyp24a1 gene, coding for a 1,25-dihydroxyvitamin D3 metabolizing enzyme, is significantly
upregulated, possibly in relation to the growth retardation observed [78,79]. In contrast,
cyp2aa9 and cyp2aa8, coding for xenobiotic metabolizing enzymes [80–82], are among the
most downregulated genes, indicating a response to inflammatory status [83]. In addition,
many more genes (2297) were differentially expressed in POP125×-treated larvae relative
to control, although we did not observe substantial lethality at this stage.

Pathway and gene ontology (Tables S3–S5) analysis points to a dysregulation of the
cell cycle, but also of central nervous system development, motor activity, growth, response
to stress, and metabolic processes, in particular insulin signaling and glucose metabolism
(Tables S3 and S4). Using the list of genes involved in insulin signaling (Table S5) in
GENEMANIA, we constructed a network of co-expressed genes encoding proteins with
physical interaction (Figure 10). Strikingly, all these genes are significantly upregulated by
POP125×, while also distributing in several modules.
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A B

Figure 9. (A) Venn diagram comparing the lists of genes affected by POP1 or POP2 treatment. (B) Most
highly and significantly regulated genes upon treatment with both POP total mix concentrations at
5 dpf. Log(fold change) and significance (adjusted p-value) are shown. Upregulated genes are in red,
downregulated in green, while genes discussed in the text are highlighted in yellow.

Figure 10. Differentially expressed genes involved in insulin signaling and response. These genes
are all upregulated upon treatment with POP125× and distribute into specific co-expression and
physically interacting modules.

One of these modules centers around gys1, indicating increased glycogen synthesis
activity. Other modules involve the insulin receptor (insrb), the Glut1 glucose transporter
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(slc2a1b) [84], a transcriptional regulatory module centered on the serum response fac-
tor (srfa), or regulatory protein kinases such as the MAPkinases map3k10, map3k21 and
mapk13 genes, the protein kinase C gene prkcdb or the serum/glucocorticoid regulated
kinase 1 gene (sgk1). Together, these observations indicate an increase in metabolism in the
POP-treated larvae.

As may be expected from exposure to environmental toxins, oxidoreductase molecular
function was identified as significantly affected, with all the genes in the list interestingly
downregulated. These genes code for detoxifying enzymes such as alcohol dehydrogenases
(adh5, adh8b), aldehyde dehydrogenases (aldh16a1, aldh9a1a.1), or cytochromes (cyb5r3,
cyp2aa3, cyp2r1, cyp4v8, cyp51).

Gene enrichment analysis based on the mutant descriptions at zfin (zfin.org; accessed
on 6 March 2023)) revealed that mutations in a significant number of the affected genes
cause defects in development of the nervous system and the eye, as well as in the mitotic
cell cycle (Tables S3 and S4). Based on these results, we used the GENEMANIA database to
construct networks for the genes involved in eye and brain development (Figure 11). In both
networks, we notice that the genes are all downregulated and that they build a tight network
of co-regulated genes. About half of the genes affecting either eye or brain development are
common to both networks. When we focused on the genes whose products were shown
to physically interact (Figure 11), some similarities and some differences were observed.
One common module is formed by the aurka (aurora kinase A, a histone serine kinase), the
histone deacetylase gene hdac8, the polo-like protein serine/threonine kinase gene plk1, and
the fbxo5 gene coding for a predicted ubiquitin ligase inhibitor. In the brain, this module
is connected through the CDK–cyclin pair Cdk1-Ccnb1 to the gene products of rpa1 and
smc4, predicted to be involved, respectively, in DNA repair, replication, and chromosome
organization. Two smaller modules are formed by the birc5a, cdca8, nono, and sfpq genes, all
of which were shown to affect both brain and eye formation when mutated (zfin.org). In the
eye, the cdk1 gene is connected to several members of the condensin I complex, including
Smc2, Smc4, Ncapg, Ncaph, and Ncapd2 (Figure 11). This observation is reminiscent of the
putative involvement of the cap-g gene in the eye defect that we observed. Interestingly,
not only mutation of the cap-g gene, but also morpholino knockdown of the capd2 and caph
genes (coding for two other components of the condensing I complex), led to reduction of
retinal cell number and smaller eyes similar to what we observed here [61].

Figure 11. Differentially expressed genes that are involved in brain and eye development. These
genes are all downregulated in zebrafish larvae treated with POP125× and form co-expression and
physically interacting networks.

Note that the description of the cap-g mutant also mentions a behavioral effect, presum-
ably based on oculomotor and optokinetic tests mainly revealing visual impairment [61];
thus, we cannot rule out that the eye defect we observed may impact the larval behavior.
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Previous studies involving RNA-Seq analysis of whole larvae exposed to the POP
mixture in a similar setting, albeit at lower concentrations, revealed interesting results. The
PPAR pathway was shown to be affected [37], similar to our observation that the nuclear
receptor genes pparda and ppargc1a were upregulated (log(fold) 0.89 and 0.64, respectively)
along with those for other nuclear receptors such as rxrab. Conversely, our data set did not
reveal calcium ion transport or signaling to be significantly affect, nor the genes involved
in ryanodine receptor signaling such as ryr1a, ryr1b, ryr2, myl7, actc1, or tnnc1.

Another concern with environmental pollution by POPs is their effect on sexual
maturation of growing embryos. While we did not perform fertility experiments in our
larval development tests, data concerning the effects of sexual hormones on 2–4 dpf larvae
are readily available [85,86]. Among the genes most highly upregulated by estradiol
(E2) [85], only vtg1 was moderately and non-significantly downregulated (Table S5), other
vitellogenin genes and the aromatase gene cyp19a1b were not affected.

In contrast, some of the most regulated genes by 17-ß-testosterone [86] were also
significantly affected upon POP125× treatment, such as insig1, col10a1a, matn1, tmx3a,
gnb3a, or gng13b. Altogether, these results tend to argue for the presence of an androgen
antagonistic activity in the POP mix, as was previously shown in cellular assays [13].

The effect on retina and eye development is particularly interesting. The observed
defect phenocopies exactly that previously found in a capg mutant and in morphants
for capd2 and caph [61], all components of the condensin I complex specifically required
for retina and eye formation. Microinjection of p53 morpholino oligonucleotides at the
one–two cell stage was able to rescue the capg phenotype [61], but also the eye defect in
larvae exposed to POP125×. Whole larvae RNA-Seq revealed that neither the p53 gene
tp53 expression was affected, nor did the term apoptosis appear in pathway analysis,
further supporting the notion that decreasing condensin I action will specifically induce
p53-dependent apoptosis in the developing retina.

4. Conclusions

This study sheds some new light on the effects of a realistic mixture of POPs on
vertebrate physiology, with a focus on early developmental stages. Although informing on
the effect on wildlife when present in the environment, our findings are also relevant for
pregnant women relative to the health of the unborn child.

As discussed above, we believe that the concentrations tested here (POP75× and
POP125×) represent realistic doses that may be reached in the environment, but also in
human blood due to the stability and bioaccumulation characteristics of these compounds.
Furthermore, we have been using a mixture, and sub-mixtures thereof, that represent the
composition of that found in a Scandinavian population. Although not directly transposable
to humans, our results obtained on zebrafish larvae allow us to identify potential risks to
human fetuses and can inform about the molecular mechanisms that may be involved.

The effects that we observed, and discussed above, at non-lethal concentrations of
the POP-mix are growth and developmental retardation as illustrated by the retarded
inflation of the swim bladder, increased heart rate, increased metabolism, and mostly
increased behavioral activity. Differential expression of genes upon exposure to POP125×
was indeed consistent with an increase of metabolism (insulin signaling), but further
revealed impacts on musculo-skeletal development and function, brain development, and
several signaling pathways. Additional studies will be required in the future to investigate
which component of the POP mix is responsible for any specific effect and through which
molecular mechanism it acts.

The effects observed here are mainly due to the PFAA sub-mix; this single sub-mix,
alone or in combination, caused effects close to those observed with the total POP mixture.
This is of high relevance at the present time, as these substances (per- and polyfluoroalkyl
acids) are intensely scrutinized as the most harmful chemical group for their deleterious
effects on environment and human health. Initiatives and regulations have been introduced
very recently by the European Chemicals Agency [87] and the US Environmental Protection
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Agency [88] to investigate the origins and effects of these compounds, aiming at reducing
or banning their use. Furthermore, the spotlight of public opinion has been drawn to the
topic by recent movies such as “Dark waters” [89] inspired by a story in the New York
Times [90] and a recent report in The Guardian [91].

Contributions of the Cl and Br sub-mixes were observed, enhancing the effect of the
PFAA mix for eye malformations, behavior, mitochondrial effect, and weakly for heart
rate. One interesting exception was observed for the startle response during the light to
dark transition, where the PFAA sub-mix alone caused a stronger increase compared to
the POP mix, which was attenuated upon addition of either the Cl or Br sub-mix in the
binary mixtures.

In conclusion, our study highlights the need to study environmental pollution, not
only on single compounds, but rather to consider the more realistic situation of exposure to
mixtures. One striking result from our studies is that, although some of the compounds
within our mixtures are described as endocrine disrupting chemicals, we did not observe
significant estrogenic effects. This illustrates the fact that individual compounds in the
mix may antagonize the activities of other chemicals. Our results comparing specific
sub-mixtures to the total mixture further support this conclusion, with sub-mixes either
enhancing or suppressing the effects of another. Finally, we also reveal a novel defect
caused by POP contamination on eye development, which we propose to result from
inhibition of the condensin I complex.
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names, log2(FoldChange), p-value, and adjusted p-value. Table S3: Gene ontology analysis of the
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Genotype–Phenotype database, GO-terms, KEGG, Reactome, and Wikipathways databases. Table S5:
List of genes differentially expressed upon POP75× or POP125× treatment, and involved in brain,
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Abstract: Bisphenol A (BPA) is widely used to harden plastics and polycarbonates and causes se-
rious toxic effects in multiple organs, including the intestines. Selenium, as an essential nutrient
element for humans and animals, exhibits a predominant effect in various physiological processes.
Selenium nanoparticles have attracted more and more attention due to their outstanding biological
activity and biosafety. We prepared chitosan-coated selenium nanoparticles (SeNPs) and further
compared the protective effects, and investigated the underlying mechanism of SeNPs and inorganic
selenium (Na2SeO3) on BPA-induced toxicity in porcine intestinal epithelial cells (IPEC-J2). The
particle size, zeta potential, and microstructure of SeNPs were detected by using a nano-selenium
particle size meter and a transmission electron microscope. IPEC-J2 cells were exposed to BPA
alone or simultaneously exposed to BPA and SeNPs or Na2SeO3. The CCK8 assay was performed
to screen the optimal concentration of BPA exposure and the optimal concentration of SeNPs and
Na2SeO3 treatment. The apoptosis rate was detected by flow cytometry. Real-time PCR and Western
blot methods were used to analyze the mRNA and protein expression of factors related to tight
junctions, apoptosis, inflammatory responses and endoplasmic reticulum stress. Increased death and
morphological damage were observed after BPA exposure, and these increases were attenuated by
SeNPs and Na2SeO3 treatment. BPA exposure disturbed the tight junction function involved with
decreased expression of tight junction protein Zonula occludens 1 (ZO-1), occludin, and claudin-
1 proteins. Proinflammatory response mediated by the transcription factor nuclear factor-k-gene
binding (NF-κB), such as elevated levels of interleukin-1β(IL-1β), interleukin-6 (IL-6), interferon-γ
(IFN-γ), interleukin-17 (IL-17), and tumor necrosis factor-α (TNF-α) expression was induced at 6 and
24 h after BPA exposure. BPA exposure also disturbed the oxidant/antioxidant status and led to
oxidative stress. IPEC-J2 cell apoptosis was induced by BPA exposure, as indicated by increased
BCL-2-associated X protein (Bax), caspase 3, caspase 8, and caspase 9 expression and decreased B-cell
lymphoma-2 (Bcl-2) and Bcl-xl expression. BPA exposure activated the endoplasmic reticulum stress
(ERS) mediated by the receptor protein kinase receptor-like endoplasmic reticulum kinase (PERK),
Inositol requiring enzyme 1 (IRE1α), and activating transcription factor 6 (ATF6). We found that
treatment with SeNPs and Na2SeO3 can alleviate the intestinal damage caused by BPA. SeNPs were
superior to Na2SeO3 and counteracted BPA-induced tight junction function injury, proinflammatory
response, oxidative stress, apoptosis, and ERS stress. Our findings suggest that SeNPs protect intesti-
nal epithelial cells from BPA-induced damage, partly through inhibiting ER stress activation and
subsequently attenuating proinflammatory responses and oxidative stress and suppressing apoptosis,
thus enhancing the intestinal epithelial barrier function. Our data indicate that selenium nanoparticles
may represent an effective and reliable tool for preventing BPA toxicity in animals and humans.
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1. Introduction

The intestinal tract is the organ with the largest surface area in direct contact with the
external environment of the animal body, which has critical biological functions such as
digestion, absorption, metabolism, and immunity [1]. The intestinal barrier mainly consists
of four aspects: intestinal commensal microorganisms, chemical barrier, physical barrier,
and immune barrier [2]. Among these, intestinal barrier integrity largely relies on the
intestinal epithelial cells (IECs). The IEC is the first cell boundary between the luminal
environment and the body against outside hostile stimuli. The choice of the IEC’s unique
permeability can guarantee the body’s absorption of nutrients and effectively suppress
pathogenic microorganisms and harmful substances through the barrier to enter the blood
to maintain the body’s normal physiological function [3]. The IEC barrier’s permeability is
regulated by the junction complex formed between adjacent intestinal epithelial cells [4].
The intercellular junction complex is mainly composed of tight junctions, which mainly
include claudins, occludin, and ZO families [5]. Maintaining the normal expression and
distribution of tight junction proteins is essential for intestinal barrier function.

BPA is one of the most widely used industrial compounds in the world, mainly in
the production of plastic containers, toys, tableware, medical devices, and polycarbonate
bottles. As an endocrine-disrupting chemical, BPA has estrogen-like and anti-androgen
properties, causing significant damage to human tissues and organs, such as the repro-
ductive system, immune system, and neuroendocrine system [6]. Humans and animals
are exposed to BPA mainly through dietary, transdermal, and inhalation, in which dietary
is considered the main route [7]. Studies have demonstrated that after BPA enters the
human body, it first destroys the intestinal epithelial barrier functions, intestinal immune
systems, and reproductive systems, and thus leads to the occurrence of various metabolic
diseases [8]. Mice dietary intake of BPA first destroys the morphological structure of in-
testinal epithelial cells by inhibiting the expression of tight junction proteins and increasing
intestinal permeability [9]. Similarly, the oral administration of BPA can affect the intestinal
barrier functions and then accumulate in the intestine, liver, and gonads of pigs, leading
to reproductive toxicity [10]. Further studies also indicated that dietary exposure to BPA
destroys the gastrointestinal mucosal layer of human colon cancer cells (HCT116), leading
to increased apoptosis and slower progression associated with intestinal epithelial cell
proliferation [11]. BPA treatment increases intestinal permeability and disrupts the barrier
function by increasing the chemical marker content and tight junction expression in intesti-
nal tissues and blood circulation [12]. It remains unclear how BPA damages the intestinal
epithelial barrier functions.

The endoplasmic reticulum (ER) is composed of branched tubules and flat reticular
capsules that are present in all eukaryotic cells and extend into the cytoplasm to surround
the nuclear membrane. The endoplasmic reticulum can be divided into two types: the
rough endoplasmic reticulum full of ribosomes and the smooth endoplasmic reticulum rich
in lipid synthetase. The rough endoplasmic reticulum is mainly involved in the biosynthe-
sis, folding, processing and modification of soluble and membrane proteins. The rough
endoplasmic reticulum is of paramount importance for adaptive responses to biotic stresses
due to increased unfolded or misfolded proteins. ERS is well known as the accumulation
of unfolded proteins in ER lumen caused by the increased protein synthesis or multiple
conditions, and ER responds to ER stress by activating the unfolded protein response
(UPR), an adaptive intracellular signal to cope with ER stress and help to sustain cell sur-
vival and normal functions [13]. In response to ER stress, ER-resident chaperone binding
immunoglobulin protein (Bip) dissociates from the luminal domains of the three protein
sensors, leading to the activation of proteins PERK, IRE1, and ATF6 to restore intracellular
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homeostasis [14,15]. Notably, ER stress in intestinal epithelium evokes a range of adverse
cellular responses, such as oxidative stress, inflammatory responses, and apoptosis, which
are all involved in the pathogenesis of intestinal barrier dysfunction [16–18]. Dietary intake
of BPA results in an abnormal increase in the amount of unfolded and misfolded proteins in
the ER and then induces ER stress [19]. Studies have shown that BPA can reveal persistent
ER stress by activating ATF6 and IRE1 pathways in mammals [20]. Moreover, BPA activates
ER stress and stimulates oxidative stress, thereby promoting cell apoptosis and damaging
intestinal barrier functions [21].

As an essential nutrient element for humans and animals, selenium has important
biological functions for human health, such as anti-cancer, anti-inflammatory, and anti-
oxidation. In recent years, selenium has been applied in the form of inorganic selenium,
organic selenium, and nano-selenium. Studies demonstrated that the use of inorganic
sodium selenite ameliorates BPA toxicity in the liver, testis, and lungs of mice [22]. How-
ever, because inorganic selenium is easy to combine with vitamins and has poor stability,
low bioavailability, and high biological toxicity, it is difficult to control the safe use dose
in the actual use process [23]. In recent years, selenium nanoparticles, as a new type of
elemental selenium, have attracted much attention. Compared with inorganic selenium and
organic selenium, selenium nanoparticles have higher bioavailability, stronger biological
activity, lower toxicity, and better compatibility as therapeutic drug carriers, and are easy
to synthesize and store [24,25]. Previous studies have shown that the intestinal villus
circumference and height of fish fed with a nano-selenium diet were greater than those of
fish fed with sodium selenite, suggesting that nano-selenium can be more effective in main-
taining intestinal integrity [26]. Recent studies have shown that, compared with inorganic
selenium and organic selenium, selenium nanoparticles have obvious biological beneficial
effects on the alleviation of cadmium-induced inflammation via NF-κB/IκB pathway in
the heart [27]. Nano-selenium is superior to inorganic selenium and organic selenium in
attenuating the cardiotoxic effects of cadmium by activating the aryl hydrocarbon receptor
pathway [28]. Studies also have shown that selenium nanoparticles attenuate BPA-induced
testicular toxicity by inhibiting oxidative stress in male rats [29]. The molecular mechanism
underlying the protective effects of selenium nanoparticles against BPA-induced toxicity
needs to be further explored.

In the present study, we established the model of BPA-stimulated porcine IPEC-J2
cells and further analyzed the effects of prepared SeNPs on ER stress and the downstream
apoptosis, oxidative stress, and inflammatory pathways.

2. Results

2.1. Preparation and Characterization of SeNPs

The size distribution, zeta potential, microstructure, and stability of particles of SeNPs
are presented in Figure 1. SeNPs were prepared by in-situ reduction of selenite and vitamin
C using chitosan as the carrier material, and the concentration of SeNPs was 76.424 mg/g.
The characteristic peak of the absorption maximum for SeNPs was 149.7 nm, indicating the
small particle size of SeNPs (Figure 1A). The zeta potential of SeNPs ranged from −45.8 to
31.4 mV, and a signature peak appeared at 27.7 mV (Figure 1B). The TEM images showed
that the SeNPs were distributed as well-dispersed spherical particles (Figure 1C). The
presence of pepsin and trypsin in the gastroenteric fluid in the digestive system affects the
structure and particle size of SeNPs. The stability of SeNPs was measured after gastric and
intestinal digestion. The absorption values of SeNPs did not change after 1–3 h of gastric
digestion and 1–2 h of intestinal digestion but increased after 2–3 h of gastric digestion and
3 h of intestinal digestion (Figure 1D).
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Figure 1. Determination of physicochemical properties and stability of SeNPs. The size distribution
(A) and zeta potential (B) of prepared SeNPs were measured. Schematic diagram of macroscopic
and microscopic morphology of SeNPs (C). Changes in particle size of SeNPs were measured after
digestion in vitro (D). Data are presented as the means ± SEM of three independent experiments.
* p < 0.05.

2.2. Establishment of the Model of BPA-Exposed and Na2SeO3 or SeNPs-Treated IPECs

The viability and morphological characteristics of IPECs were measured and observed
to determine the optimal exposure dose of BPA and treatment dose of Na2SeO3 or SeNPs.
Cell viability decreased when exposed to the increased BPA concentration, and cell viability
decreased to about 60% at a BPA concentration of 50 μM, whether 6 or 24 h after BPA
exposure (Figure 2A). Thus, we choose 50 μM as the BPA exposure concentration to allow
for cell damage without disruption of the cell monolayer in subsequent experiments. After
adding 5–50 μg/mL of SeNPs or Na2SeO3, a low dose of SeNPs or Na2SeO3 decreased
the cell death induced by 50 μM of BPA, but a high dose of SeNPs or Na2SeO3 led to cell
death. SeNPs or Na2SeO3 at the concentration of 15 μg/mL exhibited the best inhibitory
effect on BPA-induced cell damage (Figure 2B). Under the optical microscope, at 24 h,
untreated control cells appeared normal, and the cell monolayer was intact. At 24 h after
BPA exposure, cells were broken, and the boundary was blurred. However, the addition of
15 μg/mL SeNPs or Na2SeO3 attenuated the degree of disruption of the cell monolayer
induced by BPA. Compared with cells in the Na2SeO3 + BPA group, the number of vacuolar
dead cells was less in the SeNPs + BPA group (Figure 2C).
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Figure 2. Effects of Na2SeO3 and SeNPs on viability and morphology of IPEC-J2 after BPA exposure.
The dashed line represented the standard line of 50% cell viability. The optimal concentration of BPA
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was determined by measuring the cell viability after BPA exposure (A). The optimal concentration
of Na2SeO3 or SeNPs was determined by measuring the cell viability when cells were treated with
Na2SeO3 or SeNPs, followed by BPA exposure (B). The morphological changes of IPEC-J2 were
observed when cells were treated with 15 μg/mL Na2SeO3 or SeNPs followed by 50 μM of BPA
exposure for 24 h (C). Data are presented as the means ± SEM of three independent experiments.

2.3. SeNPs Maintained the TJ Expression in BPA-Exposed IPECs

To investigate the effect of SeNPs on intestinal integrity in BPA-exposed cells, the
expression of tight junction proteins was determined. Compared with untreated control
IPECs, the expression of ZO-1 and occludin proteins was decreased at 6 and 24 h after
BPA exposure in cells only exposed to BPA (Figure 3A,B). Compared with cells only
exposed to BPA, the expression of ZO-1 and occludin proteins was decreased at 6 h in the
Na2SeO3 + BPA group but increased in the SeNPs + BPA group. Compared with untreated
control IPECs, BPA exposure led to the decreased expression of ZO-1 and occludin proteins
at 24 h, whereas Na2SeO3 or SeNPs treatment enhanced the ZO-1 and occludin proteins
expression. BPA exposure led to decreased expression of claudin-1 protein at 6 h, regardless
of with or without SeNPs or Na2SeO3 treatment. Compared with untreated control IPECs,
BPA exposure led to the decreased expression of claudin-1 protein at 24 h, whereas Na2SeO3
or SeNPs treatment enhanced the claudin-1 protein expression.

Figure 3. The effects of Na2SeO3 and SeNPs treatment on the TJ expression of IPEC-J2 cells after BPA
exposure. Representative panels showing expression of ZO-1, Occludin, and Claudin-1 proteins by
Na2SeO3 or SeNPs treatment followed by BPA exposure at 6 and 24 h (A). Expression of GAPDH was
measured as an internal control. Results are presented as the ratio of ZO-1, Occludin, and Claudin-1
band intensity to that of GAPDH (B). Data are presented as the means ± SEM of three independent
experiments. a,b,c,d Mean values within a row with different superscript letters were significantly
different (p < 0.05).

2.4. SeNPs Attenuated the BPA-Induced IPEC Apoptosis

According to the flow cytometry results, IPECs exposed to BPA alone had a higher per-
centage of apoptosis at 24 h compared with untreated control cells (Figure 4A). Treatment
with SeNPs or Na2SeO3 resulted in a decrease in the percentage of apoptosis during BPA
exposure. Cells in the SeNPs + BPA group had a lower percentage of apoptosis than cells
in the Na2SeO3 + BPA group. Western blot results showed that BPA exposure increased
the expression of pro-apoptotic protein caspase-3 and Bax at 6 and 24 h compared with
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untreated control cells, whereas treatment with SeNPs or Na2SeO3 attenuated this increase
(Figure 4B,C). The BPA-induced down-regulation of the expression of anti-apoptotic pro-
tein Bcl-2 and Bcl-xl was observed, and this down-regulation was attenuated by SeNPs
treatment at 6 and 24 h but not by Na2SeO3 treatment at 6 h. Consistently, treatment with
SeNPs and Na2SeO3 reversed the increase in the mRNA expression of caspase-8, caspase-9,
and Bax and the decrease in the mRNA expression of Bcl-2 induced by BPA exposure
(Figure 4D).

Figure 4. Effects of Na2SeO3 and SeNPs treatment on apoptosis of IPEC-J2 cells induced by BPA.
Cell apoptosis was determined by flow cytometric analysis and analyzed (A). Representative panels
showing expression of caspase 3, Bcl-xl, Bax, and Bcl-2 proteins by Western blotting at 6 and 24 h
after BPA challenge (B). Expression of GAPDH was measured as an internal control. Results are
presented as the ratio of caspase 3, Bcl-xl, Bax, and Bcl-2 protein band intensities to that of GAPDH,
and the cellular protein Bcl-2 was used as an internal control for Bax (C). The relative expression of
mRNAs for the caspase-8, caspase-9, Bcl-2, and Bax genes was analyzed by quantitative real-time PCR
(D). Data are presented as the means ± SEM of three independent experiments. a,b,c,d Mean values
within a row with different superscript letters were significantly different (p < 0.05).

2.5. The Effects of Na2SeO3 and SeNPs on Inflammatory Pathways in BPA-exposed IPECs

The Western blot results showed that cells exposed to BPA alone had a higher expres-
sion of p-NF-κB and p-IκB proteins compared with the untreated control cells at 6 and
24 h, but this increase was inhibited by SeNPs or Na2SeO3 treatment (Figure 5A,B). SeNPs
exhibited a better inhibitory effect on the BPA-induced increase in the p-NF-κB expression
at 24 h and in the p-IκB expression at 6 and 24 h. Compared with the untreated control
group, BPA exposure increased the mRNA expression of pro-inflammatory cytokine IL-1β,
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IL-6, IFN-γ, IL-17, and TNF-α at 6 and 24 h, but this increase was attenuated by SeNPs or
Na2SeO3 treatment (Figure 5C). Compared with cells in the Na2SeO3 + BPA group, cells
in the SeNPs + BPA group had a lower expression of IL-1β, IL-6, and IL-17 during BPA
exposure. Compared with the untreated control group, BPA exposure led to decreased
mRNA expression of IL-10, but this decrease was reversed by SeNPs or Na2SeO3 treatment.

Figure 5. Effect of Na2SeO3 and SeNPs treatment on the inflammatory response of IPEC-J2 cells after
BPA exposure. Representative panels showing expression of p-NF-κB and p-IκB by Western blotting
at 6 and 24 h after BPA exposure (A). Expression of GAPDH was measured as an internal control.
Results are presented as the ratio of p-NF-κB and p-IκB band intensity to that of GAPDH (B). The
relative expression of mRNAs for the IL-1β, IL-6, IFN-γ, IL-17, TNF-α, and IL-10 genes was analyzed
by quantitative real-time PCR (C). Data are presented as the means ± SEM of three independent
experiments. a,b,c,d Mean values within a row with different superscript letters were significantly
different (p < 0.05).

2.6. SeNPs Maintained the Antioxidant Capacity of IPEC-J2 Cells during BPA Exposure

The antioxidant capacity of IPEC-J2 cells was assessed by measuring the abundance
of malondialdehyde (MDA), total antioxidant capacity (T-AOC), superoxide dismutase
(SOD), catalase (CAT), and glutathione peroxidase (GSH-Px). Compared with the untreated
control group, BPA exposure increased the abundance of MDA at 6 and 24 h, and this
increase was inhibited by SeNPs or Na2SeO3 treatment (Figure 6A). Compared with the
untreated control group, BPA resulted in decreased abundance of T-AOC, SOD, CAT,
and GSH-Px at 6 and 24 h (Figure 6B–E). SeNPs or Na2SeO3 treatment inhibited even
reversed the BPA-induced decrease in the abundance of T-AOC, SOD, CAT, and GSH-Px
at 24 h compared with BPA alone group. SeNPs, but not Na2SeO3 treatment, reversed the
decreased abundance of SOD induced by BPA at 6 h.
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Figure 6. Effects of Na2SeO3 and SeNPs treatment on oxidative stress of IPEC-J2 cells after BPA
exposure. Oxidative stress was analyzed by measuring the level of MDA (A), T-AOC (B), SOD (C),
CAT (D), and GSH-Px (E). Data are presented as the means ± SEM of three independent experiments.
a,b,c, Mean values within a row with different superscript letters were significantly different (p < 0.05).

2.7. SeNPs Ameliorated the BPA-Induced ERS in IPEC-J2 Cells

Compared with untreated control cells, BPA exposure led to increased expression
of ERS marker protein Bip at 24 h, whereas this increase was attenuated by SeNPs or
Na2SeO3 treatment (Figure 7A,B). For the PERK/ATF4 pathway, BPA exposure increased
the expression of p-PERK, translational initiation factor 2α (eIf2α), and ATF4 proteins at 6
and 24 h, and this increase was inhibited by SeNPs or Na2SeO3 treatment. Compared with
Na2SeO3 treatment, cells treated with SeNPs showed lower expression of p-PERK and eIf2α
at 6 h and lower expression of ATF4 at 24 h (Figure 7A,B). For the IRE1 and ATF6 pathways,
BPA exposure increased the expression of IRE1 and ATF6 compared with the untreated
control group, and this increase was inhibited by SeNPs or Na2SeO3 treatment. SeNPs
treatment exhibited a better inhibitory effect on the increased IRE1 protein expression
induced by BPA at 6 h than Na2SeO3 treatment (Figure 7A,B). Compared with untreated
control cells, BPA exposure led to increased expression of C/EBP homologous protein
(CHOP) at 6 h, whereas this increase was attenuated by SeNPs or Na2SeO3 treatment.
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Figure 7. Effects of Na2SeO3 and SeNPs treatment on ER stress of IPEC-J2 cells after BPA exposure.
Representative panels showing expression of Bip, PERK, p-PERK, ATF4, ATF6, eIf2α, p-IRE1, and
CHOP proteins by Western blotting (A). Expression of GAPDH was measured as an internal control.
The cellular protein PERK was used as an internal control for p-PERK, and GAPDH was used as an
internal control for other proteins (B). Data are presented as the means ± SEM of three independent
experiments. a,b,c,d Mean values within a row with different superscript letters were significantly
different (p < 0.05).

3. Discussion

As a common environmental contaminant, BPA has been shown to cause potential
damage to many tissues and organs (lung, liver, kidney, skin, and mucous membrane)
of humans and animals [30,31]. The intestine is especially vulnerable to the adverse
effects of BPA. Previous studies showed that selenium and its nano form have powerful
protective effects against oxidative stress, DNA damage, and apoptosis in response to BPA
cisplatin and ionizing radiation exposure in vivo [32,33]. In this study, we employed the
IPEC-J2 cell line, widely used in mimicking intestinal epithelial cells in in vitro studies, to
evaluate the adverse effects of BPA exposure on the intestinal epithelial barrier function and
further revealed the protective effects and mechanism of SeNPs. Our results showed that
SeNPs alleviated the development of BPA-induced toxicity and maintained the intestinal
barrier functions by inhibiting ER stress and downstream intestinal epithelial cell apoptosis,
inflammation, and oxidative stress.

The intestinal epithelial barrier acts as the first line of defense and plays a vital role in
nutrition and immunoregulation. A layer of epithelial cells bounds together via intercellular
junction proteins and maintains intestinal barrier integrity. Dietary BPA uptake destroys
the morphology of the colonic epithelium and increases the pathology score by decreasing
the expression of tight junction proteins (ZO-1, occludin, and claudin-1) in the colonic
epithelium of mice [34]. The destruction of the intestinal barrier helps BPA to penetrate
the intestine and then invade other organ systems. Dietary exposure of 50 μg/kg/day of
BPA induces increased intestinal permeability and consequently leads to hepatic steatosis
in CD-1 mice [35]. Studies found that long-term exposure to BPA for 22 weeks reduced
the tight junctions in the colon of male C57BL/6J mice, resulting in the dysfunction of the
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gut barrier and impaired cognitive function [36]. Consistent with previous studies, our
results showed that BPA exposure significantly decreased the expression of tight junction
proteins both at 6 and 24 h. However, SeNPs treatment maintained the normal expression
of tight junction proteins during BPA exposure at 24 h. We found that the protective effects
of SeNPs were superior to Na2SeO3, as shown that Na2SeO3 treatment led to a lower
expression of ZO-1 and Occludin proteins than BPA exposure alone. In a model of fluorine-
induced chronic oxidative stress of broilers, selenomethionine exhibited a better protective
effect on ameliorating tight junction network impairment than sodium selenite [37]. Nano-
bio selenium can effectively improve the performance and intestinal integrity of broilers
compared to the common organic and inorganic sources of selenium [38]. Our results
suggest that SeNPs maintained the intestinal barrier function by increasing the expression
of tight junction proteins to attenuate the adverse effects of BPA.

Apoptosis is programmed death of a self-protective nature after the host cell senses
external risk factors [39]. There are two main pathways of apoptosis, the extrinsic apoptotic
pathway mediated by caspase 8 and the endogenous pathway mediated by Bcl 2, caspase
3, caspase 7, and caspase 9 [40]. Studies have shown that cell apoptosis is the main signal
pathway of BPA-induced tissue damage, including the brain [41], liver [42], and lung [43].
It has been shown that BPA-treated rat and human stem cells have a significant decrease in
cell viability and substantial apoptosis as early as 10 min of exposure and at physiologically
relevant low doses [44]. At the same time, it was found that BPA induced apoptosis
of mouse interstitial cells through oxidative stress [45]. Treatment with Se significantly
alleviated Cd-induced apoptosis in chicken livers, as evidenced by a reduction in the
production of NO, iNOS activity, the number of apoptotic cells, and mRNA and protein
expression levels of caspase-3 and Bax [46]. In the rat thyroid follicular cell model, selenium
reduced the proportion of cell death. In addition, high doses of nano-selenium incubation
may prevent tunicamycin-induced ER stress cell apoptosis through the maintenance of
membrane integrity and the reduction of caspase 3/7 activity [47]. In the present study, BPA
exposure decreased the expression of anti-apoptotic Bcl-2 and Bcl-xl, while conversely, BPA
increased the Bax/Bcl-2 ratio and the expressions of pro-apoptotic Bax and effector protein
caspase 3, caspase 8, and caspase 9, indicating that BPA had a strong pro-apoptotic effect on
pig intestinal epithelial cells. A larger ratio of Bax/Bcl-2 directs cells toward apoptosis [48].
SeNPs or Na2SeO3 treatment alleviated the above apoptosis marker protein during BPA
exposure at 6 and 24 h. Compared with the Na2SeO3 treatment, SeNPs treatment exhibited
a better inhibitory effect on BPA-induced intestinal epithelial cell apoptosis, as shown by
the lower expression of caspase-9 and Bax and the higher expression of Bcl-2 in the SeNPs
group at 6 and 24 h.

The transcription factor NF-κB, as an important immunoregulatory factor, promotes
the high expression of pro-inflammatory cytokine TNF-α and interleukin family, which
have a significant disruptive effect on the expression and distribution of tight junction
proteins and impair the intestinal epithelial barrier function [49,50]. BPA has been demon-
strated to modulate the function of the immune system and increases the susceptibility to
infections by virtue of acting as a pro-inflammatory molecule [51]. Long-term exposure
to BPA-induced TLR4-dependent hypothalamic inflammation exacerbates diet-induced
prediabetes [52]. Oral exposure to 4 μg/kg bw/d BPA exacerbates allergic inflammation in
a mouse model of food allergy [53]. Consistent with previous reports, the current study
found that BPA promoted the activation of NF-κB and inhibitor of NF-κB (IκB) and sig-
nificantly elevated the expression of intestinal inflammation-related genes, including IL-6,
IL-17, IL-1β, IFN-γ, and TNF-α. These results reflected that the activation of innate im-
mune responses was an important mechanism of BPA-induced impairment of the intestinal
epithelial barrier function. Selenium can control exaggerated immunological responses
and persistent inflammation [54]. In this study, compared with Na2SeO3, SeNPs could
reduce the excessive expression of inflammatory factors caused by BPA, indicating sele-
nium nanoparticles exhibit considerable promise as a more effective and reliable tool in
controlling and preventing intestinal inflammation during BPA exposure.
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Oxidative stress refers to an imbalance between oxidants and antioxidants in the
body produced by free radicals and is known to be a significant factor influencing disease
occurrence [55]. BPA can increase MDA content in rat testicular tissue and thus leads to
oxidative stress and functional damage [56]. Selenium modulates antioxidant system status
by affecting the activity of antioxidant enzymes via selenoproteins and selenic nucleic
acids [57,58]. Dietary intake of organic selenium can increase the activity of GSH-Px and
significantly decrease the content of MDA in the serum and placenta of the sows [59]. In
this study, BPA exposure led to a decrease in the content of T-AOC, SOD, CAT, and GSH-Px
and an increase in the content of MDA, while SeNPs or Na2SeO3 treatment alleviated
the effects of BPA on oxidative stress. We also found that cells pretreated with SeNPs
had a higher abundance of T-AOC, SOD, CAT, and GSH-Px and a lower content of MDA
compared with cells pretreated with Na2SeO3. These results were in line with the study
reporting that dietary supplement of nano-Se exhibits better effects on elevating the levels
of GSH-Px and T-AOC in laying hens compared with Na2SeO3 [60].

Under the stimulation of the endoplasmic reticulum by intracellular and extracellular
stress factors, the number of unfolded and misfolded proteins in ER increases abnormally,
which induces ER stress. After ER stress occurs, UPR is activated to clear unfolded and
misfolded proteins. ER stress is considered an intermediate pathway to induce the other
pathways and damage cells during BPA exposure. Single or combined exposure to BPA and
mono(2-ethylhexyl) phthalate cause serious toxicological outcomes in the HepG2 cell line,
including altered oxidant/antioxidant status, aggravated ER stress, and apoptosis [61]. BPA
exposure induces neurotoxicity in rats involved with neuronal ER stress, apoptosis, and
JAK1/STAT1 signaling pathway [41]. Long-term BPA exposure disturbed lipid metabolism
and induced oxidative stress, ER stress, apoptosis, autophagy, and inflammatory response
in the liver of common carp [42]. BPA triggers apoptosis by activating ER stress in human
endometrial stromal cells [62]. ER stress might be related to the disturbance of the intestinal
barrier in IPEC-J2 cells after heat exposure [63]. Pterostilbene restores the intestinal barrier
function by inhibiting ER stress in piglets [64]. It was reported that selenium deficiency
leads to apoptosis by inducing ER stress in the swine small intestine and IPEC-J2 cells, indi-
cating that selenium has a protective effect on porcine intestinal health through modulating
ER stress [65]. A previous study showed that ER stress and oxidative stress showed a high
correlation, and the lack of selenium triggers ER stress and oxidative stress, and apoptosis
in chicken hepatocytes [66]. In this study, we determined the status of three UPR pathways
mediated by receptor proteins PERK, IRE1, and ATF6. BPA exposure significantly activated
UPR, as shown by the increased expression of Bip, PERK, eIf2α, ATF4, IRE1α, ATF6, and
CHOP proteins. Interestingly, we also found that the activated UPR was mitigated by
SeNPs and Na2SeO3 treatment. Here, BPA exposure disrupted tight junction function and
induced proinflammatory response, oxidative stress, apoptosis, and ER stress in intestinal
epithelial cells, while SeNPs treatment could alleviate these effects.

In conclusion, our results suggested that, compared with inorganic selenium, sele-
nium nanoparticles were superior in alleviating BPA-induced proinflammatory response,
oxidative stress, and apoptosis in porcine intestinal epithelial cells through ameliorating ER
stress, thus maintaining the intestinal epithelial barrier function. Our study provides a the-
oretical basis for the toxic mechanism of BPA in swine and further complements the risk
assessment of BPA in domestic animals, and pushes forward a solution for BPA-induced
damage by probing the role of selenium nanoparticles.

4. Materials and Methods

4.1. Preparation of SeNPs

The chitosan was dissolved in deionized water and stirred for 6 h. The chitosan
(2 mg/mL) was mixed vigorously with the freshly prepared sodium selenite solution
(20 mmol/L) at a ratio of 1:4 (v/v) for 60 min. Then, the Vc solution (80 mmol/L) was
added to the sodium selenite solution with an equal volume, stirred at 35 ◦C for 12 h, and
lyophilized to obtain SeNPs.
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4.2. Dynamic Light Scattering (DLS)

DLS was employed to record the variation in the intensity of the scattered light on
the microsecond time scale based on particles in gas or liquid being subjected to Brownian
motions. To investigate the stability of colloidal particles, the Z-average size and poly-
mer dispersity index (PDI) of SeNPs were measured by the Nanosizer ZS90 instrument
(Malvern Instruments, Malvern, UK). The refractive indices of water and the SeNPs solution
were taken as 1.333. In general, zeta potentials reflect the electrostatic repulsion between
dispersed particles, and a high value of zeta potentials represents a good dispersion of
colloid particles. In this work, zeta potentials were performed by using Nanosizer. All
measurements were conducted at 25 ± 2 ◦C in triplicate.

4.3. Transmission Electron Microscopy (TEM)

SeNPs were fixed in 2.5% glutaraldehyde for 4 h and then in 1% osmium tetroxide
for 1.5 h at 4 ◦C, after which they were dehydrated in gradient ethanol solutions and
propylene oxide. The resin was then impregnated with acetone for 12 h and polymerized
on a polymerized plate at 40 ◦C for 48 h. Ultrathin sections (1 mm) were cut with the
Ultramicrotome Leica EM UC7 (Leica, Wetzlar, Germany) and then stained with uranyl
acetate and lead citrate [67]. The sections were examined under a TEM (JEM-2100, JEOL,
Tokyo, Japan).

4.4. Gastric and Intestinal Fluid Digestion Test

For the gastric fluid digestion test, 1 mg of SeNPs was mixed with 10 mL of gastric
fluid (pepsin, ≥30 U/mL) and adjusted to pH 1.2 with 6 M HCl. Then, the mixture was
incubated at 37 ◦C for 3 h in a thermostat water bath. The samples were taken at the
digestion time of 0, 1, 2, and 3 h. For the intestinal fluid digestion test, after the gastric
digestion for 4 h was centrifuged at 10,000× g for 30 min, the precipitation was collected
and mixed with 10 mL of intestinal fluid (pancreatin, ≥40 U/mL). The mixture was then
adjusted to pH 7.4 with 1 mol/L of NaHCO3, followed by incubation at 37 ◦C for 3 h in the
thermostat water bath. The samples were taken at the digestion time of 0, 1, 2, and 3 h.

4.5. Cell Culture and Treatment

The IPEC-J2 cell line is a porcine colonic epithelial cell line. Cryopreserved cells were
extracted from liquid nitrogen and continuously cultured for three passages for subsequent
experiments. The cells were cultured in DMEM-F12 containing 10% fetal bovine serum
(Invitrogen, Carlsbad, CA, USA) at 37 ◦C in an atmosphere of 5% CO2 and 95% air at 95%
relative humidity. The medium was replaced every 2 days. The cells were treated under 1
of 4 conditions, as follows: (i) medium (CON group); (ii) 50 μmol of BPA (RHAWN, China)
exposure (BPA group); (iii) pre-incubation with 32.85 μg/mL of sodium selenite following
50 μmol of BPA exposure (BPA + Na2SeO3 group); (iv) pre-incubation with 15 μg/mL
of SeNPs following 50 μmol of BPA exposure (BPA + SeNPs group). Cell samples were
harvested at 6 and 24 h after BPA exposure, respectively.

4.6. Cell Counting Kit-8 (CCK8) Assay

IPEC-J2 cells were seeded at a density of 1 × 104 per well in 96-well plates and cultured
for 24 h. According to the BPA concentration range reported in recent research, cells were
treated with 0, 10, 20, 40, 50, 60, and 80 μM of BPA for 6 and 24 h, respectively. The final
DMSO concentration in all cell cultures was adjusted to 0.01% (v/v). A Cell Counting Kit-8
(Solarbio, Beijing, China) was employed to determine cell viability. The absorbances at
450 nm were determined by a microplate reader (INNO-M, TeCK, China). The highest
concentration of BPA that did not considerably impact cell viability was chosen as the
favorable concentration for the subsequent assays. All the experiments were carried out
independently in triplicate.
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4.7. Morphological Observation

Morphological Observation: The cells were seeded into a 6-well plate, and different
BPA, Na2SeO3, or SeNPs treatments were carried out. At 24 h after BPA exposure, cell
morphology was observed under a light microscope (Olympus Corporation, Tokyo, Japan).

4.8. Western Blotting

Total protein was extracted by lysis buffer for Western blotting with 100 mM of
phenylmethanesulfonylfluoride, and 25 μg of total protein sample was subjected to SDS-
polyacrylamide gel electrophoresis under reducing conditions. Separated proteins were
transferred to nitrocellulose membranes in Tris-glycine buffer containing 20% methanol
at 4 ◦C. The membranes were blocked with 5% skim milk for 2 h, following incubated
overnight with diluted primary antibodies against Bcl-xl (1:5000, Abcam, Cambridge, UK),
caspase 3 (1:2000, Cell signaling technology, Boston, MA, USA), Bip (1:2000, Cell signaling
technology), PERK (1:5000, Abcam), p-PERK (1:1000, Bioss), ATF4 (1:2000, Proteintech,
Chicago, IL, USA), ATF6 (1:2000, Proteintech), eIf2α (1:1000, Proteintech, Wuhan, China), p-
IRE1(1:1000, Bioss), CHOP (1:1000, Bioss), NF-κB (1:1000, Bioss), IκB (1:2000, Cell signaling
technology), ZO-1 (1:1000, Bioss, Beijing, China), Occludin (1:1000, Bioss), Claudin-1 (1:1000,
Bioss), and GAPDH (1:1000, Proteintech, China) followed by goat anti-rabbit IgG (H+L;
1:1000, Proteintech, China). The gray values of protein bands were measured by ImageJ
software version 6.1 (Bio-Rad Laboratories, Hercules, CA, USA). The cellular protein PERK
was used as an internal control for p-PERK, and GAPDH was used as an internal control
for other proteins.

4.9. Quantitative Real-Time PCR (qRT-PCR) Analysis

Total RNA samples were isolated by Trizol reagent (Invitrogen) according to the
manufacturer’s instructions. The RNA was reverse transcribed by a cDNA synthesis kit
(Promega, Madison, WI, USA). Specific primers (caspase-8, caspase-9, Bcl-2, Bax, Il-1β, Il-6,
Il-17, Il-10, Tnf-, Ifn-γ, and Gapdh) were designed by Primer-BLAST at the National Center
for Biotechnology Information and were shown in Table 1. The dried RNA pellets were
resuspended in 50 μL of diethylpyrocarbonate-treated water. The concentration and purity
of the total RNA were determined using a spectrophotometer. cDNA was synthesized
from 1 μg of the total RNA using oligo dT primers and Superscript II reverse transcriptase
according to the manufacturer’s instructions (Promega, Beijing, China), and cDNA was
stored at 80 ◦C. Reactions were performed in a 20 μL of reaction mixture containing 10 μL
of 2X SYBR Green I PCR Master Mix,1 μL of cDNA, 1 μL of each primer (10 μM), and 7 μL
of PCR-grade water. The optimal conditions for PCR were 95 ◦C for 2 min, followed by
40 cycles of denaturation for 15 s at 95 ◦C, annealing for 1 min at 60 ◦C, and elongation
for 50 s at 72 ◦C. The qRT-PCR was performed with StepOneTM 96 system (Roche, Basel,
Switzerland). The relative abundance of mRNA of each gene was calculated according to
the 2−ΔΔCt metho d and was normalized to the mean expression of GAPDH.

Table 1. Sequences of oligonucleotide primers used for real-time PCR, length of the respective PCR
product, and gene accession number.

Gene Product a Primer
Direction b Sequence (5′ to 3′) Product Size (bp) Accession Number

GADPH F CCAGAACATCATCCCTGCTT 229 XM_021091114
R GTCCTCAGTGTAGCCCAGGA

Caspase-8 F TGGAGGACGTTTTCACAGGGC 133 XM_021074712
R AGTTGTAACCGGAGGCAAATCC

Caspase-9 F
R

AACTTCTGCCATGAGTCGGG
GAGGTGGCTGGCCTTGG 135 XM_013998997

Bcl-2 F AGCATGCGGCCTCTATTTGAT 107 XM_021099593
R CACTTATGGCCCAGATAGGCA
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Table 1. Cont.

Gene Product a Primer
Direction b Sequence (5′ to 3′) Product Size (bp) Accession Number

Bax F AGCAGATCATGAAGACAGGGG 137 XM_003127290
R ACACTCGCTCAACTTCTTGGT

IL-6 F GGCTGTGCAGATTAGTACC 124 JQ_839263
R CTGTGACTGCAGCTTATCC

IL-10 F CTTGTTGCTGACCGGGTCTC 110 HQ_236499
R TCTCTGCCTTCGGCATTACG

IL-17 F GACGGCCCTCAGATTACTCC 125 KF_646141
R AGCATTGATACAGCCCGAGT

IL-1β F GCCAACGTGCAGTCTATGGAGTG 91 XM_021085847
R GGTGGAGAGCCTTCAGCATGTG

TNF-α F GCCCTTCCACCAACGTTTTC 97 JF_831365
R CAAGGGCTCTTGATGGCAGA

Ifn-γ F CAGGCCATTCAAAGGAGCAT 150 MH_538101
R GAGTTCACTGATGGCTTTGCG

a GAPDH = glyceraldehyde-3-phosphate dehydrogenase. b F = forward; R = reverse.

4.10. Antioxidant Determination

The activities of antioxidant GSH-PX (A005-1-1), catalase (CAT, A007-1-1), superox-
ide dismutase (SOD, A001-3-1), total antioxidant capacity (T-AOC, A015-2-1), and the
concentration of malondialdehyde (MDA, A003-1-1) were analyzed using the correspond-
ing commercial assay kit (Nanjing Institute of Jiancheng Biological Engineering, Nanjing,
China) according to the manufacturer’s instructions. The antioxidant activity of the above
parameters was calculated based on the protein content of the cell samples, and the assay
was performed using the method described by Bradford.

4.11. Detection of Apoptosis by Flow Cytometry

The percentage of apoptotic cells was determined using a commercial Annexin V-
FITC/PI Apoptosis Detection Kit (Kangwei Biotech, Shenzhen, China). Following the
manufacturer’s instructions, the harvested cell pellets were washed twice with pre-cooled
PBS and then resuspended in 0.5 mL of 1X binding buffer. Afterward, cells were incubated
with FITC-labeled Annexin V for 15 min and were stained with 50 μg/mL of propidium
iodide for 5 min before detection. Samples were analyzed by a flow cytometer (Beckman,
Brea, CA, USA). The data analysis was performed using CytExpert software version 2.4
(Beckman Coulter, Brea, CA, USA), and the apoptosis percentage was referred to as the
ratio of apoptosis cells to total cells.

4.12. Statistical Analysis

All of the experimental data are expressed as the means ± SEM. The differences
between the groups were determined by a 1-way analysis of variance (ANOVA) test
followed by Tukey’s honestly significant difference post hoc test using GraphPad Prism 5
software (Graphpad Software Inc., San Diego, CA, USA). A p-value of <0.05 was considered
indicative of statistical significance.
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Abstract: Autophagy is the process through which a body breaks down and recycles its own cellular
components, primarily inside lysosomes. It is a cellular response to starvation and stress, which
plays decisive roles in various biological processes such as senescence, apoptosis, carcinoma, and
immune response. Autophagy, which was first discovered as a survival mechanism during starvation
in yeast, is now known to serve a wide range of functions in more advanced organisms. It plays
a vital role in how cells respond to stress, starvation, and infection. While research on yeast has
led to the identification of many key components of the autophagy process, more research into
autophagy in more complex systems is still warranted. This review article focuses on the use of the
fruit fly Drosophila melanogaster as a robust testing model in further research on autophagy. Drosophila
provides an ideal environment for exploring autophagy in a living organism during its development.
Additionally, Drosophila is a well-suited compact tool for genetic analysis in that it serves as an
intermediate between yeast and mammals because evolution conserved the molecular machinery
required for autophagy in this species. Experimental tractability of host–pathogen interactions
in Drosophila also affords great convenience in modeling human diseases on analogous structures
and tissues.

Keywords: Drosophila melanogaster; autophagy; in vivo animal model system; Atg; fat body; development

1. Introduction

1.1. The Morphology of Autophagy

Eukaryotic cells naturally destroy and recycle damaged cellular components through
a process known as autophagy, which is activated by a variety of environmental and devel-
opmental triggers [1]. In eukaryotic cells, the main protein degradation pathways are the
proteasome and lysosomal breakdown. Autophagy is a lysosomal degradation process that
can be classified into different routes based on how the intracellular material reaches the
lysosome. Mammalian cells exhibit three different versions of autophagy, namely, microau-
tophagy, macroautophagy, and chaperone-mediated autophagy, each distinguished by their
morphological characteristics [2,3]. During macroautophagy, large portions of cytoplasm
are engulfed by a membrane cistern called a phagophore or isolation membrane, which then
forms a double-membrane autophagosome [3]. The anatomical steps of autophagosome
formation are illustrated in Figure 1. This autophagosome then fuses with the endolysoso-
mal components for degradation. In microautophagy, late endosomes (lysosomes) directly
engulf tiny portions of the cytoplasm. Chaperone-mediated autophagy is another process
that allows individual proteins to reach the lysosomal lumen by means of Hsc70 and the
lysosome-associated membrane protein 2A (Lamp-2A) in mammalian cells [3,4]. It is worth
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noting that, as there is no homolog for the protein Lamp2A in Drosophila melanogaster,
chaperone-mediated autophagy induced by Lamp-2A will not take place. In all forms
of autophagy, the cargo material is degraded by acidic lysosomal hydrolases, and the
resulting monomers are recycled back to the cytosol for use in energy production and
biosynthesis [4]. Autophagy serves a critical function in maintaining cellular homeostasis
by responding to stresses or disturbances such as nutrient starvation. When the biogenesis
of autophagosomes is inhibited, it leads to the accumulation of selective autophagic cargo,
including Ref(2)P/p62-positive aggregates of polyubiquitinated proteins. These aggre-
gates can be cytotoxic and can contribute to cellular dysfunction [5]. It has been observed
that autophagy is often impaired in cancer cells, leading to uncontrolled cell growth [4].
Similarly, autophagy dysfunction, or misregulation, has been linked to several neurodegen-
erative disorders [4,5]. This review focuses specifically on macroautophagy, which is a bulk
degradation pathway conserved over the course of eukaryotic evolution and responsible
for the clearance of whole organelles, long-lived cytosolic proteins, and aggregates within
eukaryotic cells [6,7]. Neurodegenerative illnesses are becoming more prevalent in older
populations, which has a devastating impact on both individuals and their communities.
Khurana and Lindquist [8] showed that Saccharomyces cerevisiae, a developing yeast, plays
a special role in the arsenal against neurodegeneration. S. cerevisiae, as a basic eukaryotic
organism, providesinteraction-scale mechanistic insights into cell-autonomous neurodegen-
erative pathways. To recognize and describe these components, a number of PD models,
including non-mammalian eukaryotic creatures, have been established. Surguchov [9] has
discussed recent discoveries in three model organisms for Parkinson’s disease, including
yeast, Drosophila, and the nematode Caenorhabditis elegans, which revealed unique processes
and pinpointed fresh causes of the condition. These non-mammalian models and human
cells function similarly in many conserved molecular and cellular pathways.

Figure 1. A summary of autophagic structures. The development of phagophores and double-
membrane autophagosomes is mediated by the sequential and coordinated activity of Atg pro-
tein complexes.

1.2. Homologous Autophagy Proteins between Yeast/Drosophila/Mammals

The proteins responsible for the formation of autophagosomes were first discovered
in the yeast S. cerevisiae and are referred to as Atg (Autophagy-related) proteins [10]. These
proteins have counterparts in higher eukaryotic organisms, such as D. melanogaster, and
their roles are highly similar [11]. The identification of the Atg proteins marked a significant
step forward in understanding autophagy. Specifically, 18 Atg proteins in Drosophila make
up five complexes that operate the autophagic process in this species [12,13]. Investigations
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in yeast have uncovered 33 genes, referred to as ATG, that play a role in autophagy. Much
of this genetic material has been preserved in organisms with increased complexity [11,14].
The formation and expansion of the autophagosomal membrane, which encloses cellular
components for degradation, is regulated by the ATG proteins that are conserved across
eukaryotic organisms [15,16]. The fusion of autophagosomes with lysosomes, which
occurs through the action of Rab7 and the binding of HOPS and SNARE proteins in yeast,
is a crucial step in the autophagic process [17]. It is noteworthy that the processes of
autophagosome–lysosome fusion and the subsequent degradation of autophagic cargo
vary significantly between yeast and animal cells. However, the HOPS tethering complex
and Rab7 are conserved across Drosophila and mammals [18–20]. Additionally, in animal
cells, autophagosome degradation also requires the Rab2 protein [12,21], unlike in yeast
where SNAREs are not homologous [22,23]. Furthermore, molecular motors such as
dynein and kinesins play a role in the movement of autophagosomes to lysosomes for
degradation [24,25].

The term “autophagy” describes a set of procedures used by eukaryotic cells to recycle
and degrade cellular components. The Atg1 complex regulates autophagy’s molecular
mechanism, which has three main stages: initiation, the production of autophagosomes,
and expansion and completion of the membrane [26]. Autophagy is activated by the Atg1
complex in all eukaryotic organisms. The formation of autophagosomal membranes is led
by the Vps34 complex, and the autophagosome membrane expands depending on two
distinct ubiquitin-like protein conjugation machineries involving Atg8 and Atg12–Atg5.
After autophagosome completion, vesicles merge with lysosomes, creating autolysosomes.
In this respect, Table 1 highlights the central autophagy genes from humans and baker’s
yeast (S. cerevisiae), and their counterparts in D. melanogaster [27]. Each model has its own
advantages or limitations. Drosophila is an excellent genetic model but a poor one for
biochemistry and physiology, while mammals present difficulties for large-scale genetic
screening. Yeasts are single-celled and do not go through development.

Table 1. Genes that are conserved in autophagosome induction, nucleation, and expansion27.

Autophagy Process
Model Organisms/Gene

References
Homo sapiens D. melanogaster S. cerevisiae

Induction

ULK1, ULK2 Atg1 ATG1 [28–33]
mTOR dTOR TOR [29,34–37]

HARBll Atg13 ATG13 [38–40]
- - ATG17 [41,42]
- - ATG29 [43]
- - ATG31 [44]

FIB200, RB1CC1 CG1347 - [45]
ATG101 CG7053 - [45,46]

Nucleation

BECN1 Atg6 ATG6 [29,47–51]
PIK3C3 Pi3K59F VPS34 [47,49,52]
PIK3R4 Ird1 VPS15 [49,53,54]

ATG14 (barkor) CG11877 ATG14 [43,49,55,56]
UVRAG CG616 - [49,57]

SH3GLB1 endoB - [58]
BCL2 buffy - [59–61]

AMBRA1 - - [62]

Expansion

ATG2A, ATG2B Atg2 ATG2 [63–65]
ATG3 Atg3 ATG3 [66–68]

ATG4A,B,C,D Atg4 ATG4 [69–71]
ATG5 Atg5 ATG5 [32,72–75]
ATG7 Atg7 ATG7 [68,69,72,73,76]

ATG9A Atg9 ATG9 [74,77]
LC3, GABARAP,

GABARAPL2 Atg8a, Atg8b ATG8 [67,70,78–83]
ATG10 CG12821 ATG10 [66,73]
ATG12 Atg12 ATG12 [41,66,73]

ATG16L1, ATG16L2 CG31033 ATG16 [84,85]
ATG18 Atg18 ATG18 [77,86,86–88]

The Atg1 protein, a serine/threonine kinase found in various organisms, has a crucial
role in the process of autophagy. Studies have shown that Atg1 is necessary for autophagy in

341



Toxics 2023, 11, 682

mammalian cells [28–31] and Drosophila [29,89], nevertheless the composition and function
of the Atg1 complex varies between species [41]. For instance, in yeast, the TOR pathway
regulates the formation of the Atg1-Atg13-Atg17 [41] and controls autophagy induction
through phosphorylation of Atg13. When nutrient levels are low, the dephosphorylation
of Atg13 increases its affinity for Atg1-Atg17, triggering autophagy [41]. Neither Atg17
nor Atg29 and Atg31, which both interact with Atg17, are present in equivalent form in
either Drosophila or humans [43,78]. In contrast to yeast, the Atg1 and Atg13 proteins in
Drosophila and mammals constitute a more stable structure independent of the activity
of the TOR pathway. The Atg1 ortholog in mammals also exhibits interactions with
Atg13 independently of the nutrition or starvation status [34,46]. Furthermore, Drosophila
orthologs of both Atg101 and FIP200, necessary for autophagosome generation in mammals,
have been identified but not yet tested for their role in autophagy [34,45,46]. Not only
do the Drosophila Atg1 and mammalian unc-51-like kinase 1 (ULK1) complexes have
different functions but also the overexpression of Drosophila Atg1 triggers autophagy,
whereas the overexpression of Ulk1 in mammals suppresses it [32,38]. The source of the
disparity is uncertain; theories have been proposed that attribute it to the effect of extra
regulatory proteins [90,91]. In contrast, Atg101 is found in the majority of eukaryotes
apart from budding yeast. It has been suggested that the control of autophagy initiation
by the Atg1 complex and its regulatory mode may have developed from yeast to animal
cells [90]. Specifically, previous work indicates that Atg101 mutants have reduced lifespan,
increased oxidative stress, and impaired mitochondrial function, and Atg101 is required
for autophagy, a process that is known to be involved in age-related processes [92]. These
findings suggest that Atg101 may be a key regulator of tissue homeostasis and aging
in Drosophila.

After the Atg1 complex triggers autophagy in yeast, Drosophila, and mammalian
cells, a PI3P-enriched structure may be seen where autophagosomes develop. PI3P is a
phospholipid manufactured by the enzyme PI3K (phosphatidylinositol 3-kinase), whose
role in the formation of autophagosomes (membrane-bound vesicles used to transport
cellular components for degradation) is still unknown. However, it is thought that PI3P
may recruit additional components to the autophagosome, as several yeast proteins that
bind to PI3P and localize to the autophagosome have been shown to depend on PI3K
activity [93]. Although there are several proteins involved in autophagy, only one of them,
namely Atg18, has an ortholog that is found in both Drosophila and mammals. Additionally,
it has only been confirmed that the ortholog found in Drosophila is essential for autophagy
to occur [32,79].

The yeast PI3K complex, a team of vital proteins including Vps34, Vps15, Atg6, and
Atg14 [94], are the masterminds behind the formation of autophagosomes. These proteins
are not only present in yeast but also in Drosophila and mammals [95]. Like Drosophila,
mammals too have three versions of PI3K, but the type III PI3K, Vps34, stands out by
activating autophagy through its production of PIP3 [96]. Likewise, Vps34, a member
of the class III PI3K family, has a role in initiating autophagy through the production of
PIP3. However, things get a bit more complicated in mammals, as the Vps34-Vps15-Atg6
team can be found working alongside other proteins like Ambra1, Atg14, Rubicon, and
UVRAG [95]. Even though the Drosophila body contains proteins comparable in function to
UVRAG, Rubicon, and Atg14, which are found in the Vps34 complex in other organisms, it
is not currently understood how these proteins function in the Vps34 complex in Drosophila.
They may play a similar role as in other organisms or they may have unique functions, and
further testing is needed for more evidence on their role in the Vps34 complex in Drosophila.

Vesicle expansion is a process that allows the vesicles (small, enclosed spaces within a
cell) to grow in size, mediated by two groups of proteins known as ubiquitin-like groups:
Atg5-Atg12-Atg16 and Atg8. These groups have remained largely unchanged throughout
the evolution from yeast to mammalian organisms [97]. The Atg16 complex is a collection
of proteins that localizes to the autophagosome and plays a crucial role in the formation of
the autophagosome membrane. The autophagosome is a structure that encloses cellular
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components that are intended for destruction [84,98]. The Atg12 protein is covalently
conjugated to Atg5 through a process that resembles the conjugation of ubiquitin to a
target protein, which involves two other proteins called Atg10 and Atg7. The second of
these corresponds to a protein called E1 enzyme that is responsible for activating ubiquitin
involved in the ubiquitin conjugation process [72]. Atg10 is a protein contributing to
the generation of the Atg5-Atg12 complex, which functions similarly to an E2 ubiquitin-
conjugating enzyme, a protein that plays a role in the ubiquitin system, but it is not
related to those found in the ubiquitin system [99]. Once the Atg5-Atg12 complex is
formed, it is linked to Atg16 in a non-covalent manner to form the completed complex [84].
Nevertheless, despite the presence of orthologs in Drosophila for each of these proteins,
further experiments are warranted to show whether the orthologs of Atg10 and Atg16 play
a part in the autophagy pathway in Drosophila.

The other conjugation structure involved in autophagosome generation is a process
that links Atg8 to a type of lipid called phosphatidylethanolamine (PE) through an amide
bond [66]. This process helps in the formation of the autophagosome membrane, which
is essential for the autophagosome to enclose the cellular materials that are targeted for
degradation. The Atg8–PE conjugation is crucial in the formation and expansion of the
autophagosome. Conjugation of Atg8 to PE begins with the action of the cysteine protease
Atg4, which cleaves Atg8 [69]. Once Atg8 is cleaved, it is bound to Atg7. In the next phase,
Atg8 is transported to Atg3, which is an enzyme comparable to E2 ubiquitin-conjugating
enzymes, which then catalyzes the conjugation of Atg8 to PE. Humans have four proteins
that are equivalent to yeast ATG8: ATG8L, GATE16, MAP1LC3, and GABARAP. These
human orthologs of yeast ATG8 are also conjugated to PE in a comparable fashion to the
way it occurs in yeast [67,81]. In Drosophila, there are two genes that code for Atg8 proteins
(Atg8a and Atg8b) that are found in the autophagosomes [29,82,83]. Such proteins probably
have some overlap in function, as deleting the Atg8a gene results in a less severe phenotype
than what would be expected for a protein that has such a vital part in autophagosome
formation [32,79]. Drosophila also has equivalents of Atg3, Atg4, and Atg7, which have
been proven to play a part in the tightly regulated pathway of autophagy [29,68,100].

1.3. Drosophila as a Model

Comparative genetic research revealed a significant degree of genetic similarity be-
tween humans and a variety of other animals, including D. melanogaster. It has been
estimated that roughly 60% of the fly genome is comparable to that of humans and that
approximately 77% of known disease genes in Homo sapiens, including those involved
in diabetes, autism, and carcinoma, have matching sequences in D. melanogaster [101],
which highlights the value of this species in exploring human biology and relevant risk
factors [102,103].

This means that the Drosophila fruit fly can be used in a variety of experiments because
it is adaptable and can be used in combination with other testing methods, which renders
it an ideal choice with optimal adaptability and versatility for larger-scale experiments,
such as RNAi or mutant screens, requiring a large number of samples [104]. Genome
sequencing has greatly facilitated identifying Drosophila genes that are almost identical to
human genetic material associated with certain diseases. Previous cDNA (complementary
DNA) analyses [105] detected 289 of these corresponding genes in fruit flies, and around
three-quarters of the genes causing certain human diseases, such as diabetes, autism, and
cancer, were found to have a functional corresponding gene in Drosophila [102,103]. In
this regard, FlyBase, a database containing data on the genetics, genomics, and biology
of D. melanogaster, has more than 800 reports that detail the links between specific human
diseases and Drosophila genes, offering researchers valuable insight into the genetic basis
of human diseases, which may lead to the development of new treatments and therapies
(FB2018_03) [106]. Another important advantage of Drosophila studies is that they are
exempt from the ethical limitations associated with the use of more complex organisms
such as mammals [107]. In that vein, the principles of humane experimental technique
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known as the 3Rs (replacement, refinement, and reduction), which have been widely
accepted as guidelines for humane animal treatment in toxicology experiments, can be
readily put into practice with this species [108]. The fundamentals of cell biology, from gene
expression and neuron synapse formation to cell signaling and differentiation, are shared
between humans and Drosophila flies. Even immune signaling pathways, when exposed
to cytokines, remain remarkably similar between the two species [109]. The GAL4/UAS
system, in combination with CRISPR, has been effectively modeled by employing Drosophila
as a dynamic tool [110,111]. CRISPR’s tissue-specific genome editing can confine mutations
to specific cells or tissue [110], making research on flies applicable to vertebrates, including
humans. More recently, Trinca and Malik [112] have investigated the impact of gamma
radiation on autophagy using Drosophila as a testing model, discovering that exposure to
radiation resulted in elevated autophagy levels in two different cell types (gut and brain),
which suggests that autophagy might have a function in the initial response to exposure
to radiation.

While Drosophila offers a range of benefits as an experimental model organism for
research on human biology, there are also several limitations to consider. One such limi-
tation is that the difference in typical body temperatures of adult fruit flies and humans
(18–27 ◦C versus 36–37 ◦C) may result in multiple variations in host–pathogen interactions.
Additionally, the lack of certain factors in Drosophila can limit the types of pathogenesis
studies that can be conducted using this organism. Furthermore, the lack of sialic acid as a
main surface molecule on fly cells may prevent the study of certain viruses that depend
on this molecule for entry into host cells [113]. Another key limitation to consider is that
Drosophila has a less complex immune system compared to mammals. At the same time, in
comparison to mammals, flies are much cheaper to maintain, can be mailed by standard
post, and do not require authorization to transport. Thus, despite such drawbacks and re-
strictions, Drosophila remains a valuable model organism for researchers in gaining insights
into basic biological processes before moving on to more complex testing models [114–116].

1.4. The Life Cycle of Drosophila

Drosophila, a holometabolous insect, follows a developmental process characterized
by prepupal and pupal stages of immobility during which the entire organism undergoes
a complete metamorphosis. Drosophila exhibits a rapid life cycle (9–10 days at 25 ◦C)
(Figure 2). This process entails the histolysis of larval tissues, and diploid cells undergo
proliferation and differentiation to generate adult organs, which are fully developed by the
time of emergence as an imago from the pupal case. In the context of fruit fly development,
three distinct larval stages, L1, L2, and L3, can be identified and are separated by highly
regulated molting transitions [117]. At the mid-L3 stage, a slight elevation in levels of
20-hydroxyecdysone in combination with levels of juvenile hormone causes an alteration
in larval behavior, wherein they exit their food source and commence searching for an
environment to metamorphose, and developmental autophagy triggered by ecdysone
occurs in the majority of tissues in the larvae that have multiple sets of chromosomes [83].
In autophagy, the cells in such tissues break down and recycle their own components for
freeing up stored biological matter, which can be used as an energy source by diploid cells
in the case of programmed cell death. Autophagy helps ensure that the cells have enough
energy and nutrients to complete this metamorphosis process [83,118]. It is likely that
autophagy plays a significant role during metamorphosis, a period of developmentally
regulated starvation that spans five days. Also occurring during the remodeling of muscles
in pupae, autophagy is thought to contribute to the DNA fragmentation in cells that provide
nutrition stability to their neighboring cells (nurse cells) during egg cell formation [21,119].

344



Toxics 2023, 11, 682

Figure 2. Fruit flies go through four distinct life stages: embryo, larva, pupa, and adult. After 6 to
8 h, the eggs begin to hatch, producing first-instar larvae that develop into second- and third-instar
larvae. The larvae turn into pupae around day five. On the ninth or tenth day, the fruit fly enters its
adult form.

1.5. Research Tools Available for Drosophila

In Drosophila, the visualization of autophagy involves detecting the presence of Atg8,
a protein that is found in autophagosomes in mammals, flies, and yeast, which suggests
that autophagy is a conserved process across species and that Atg8 is a valuable marker for
detecting autophagy in different organisms [73]. Drosophila Atg8 antibodies instrumental
in the distribution, localization, and expression levels of proteins in cells and tissues are
not readily available, but the Gal4/UAS system, a powerful tool for gene expression in D.
melanogaster, allows for tissue-specific or inducible expression of target genes by using a
Gal4 transcriptional activator. By using a GFP-tagged version of Atg8, researchers can study
the distribution, localization, and expression levels of Atg8 in specific tissues or under spe-
cific conditions. The GFP tag makes it possible to visualize Atg8 in living cells, which helps
researchers understand the dynamics of autophagy processes [29,47,83]. While GFP-tagged
Atg8 transgenes have been widely used as indicators of autophagosome formation, we
should remember that there are some concerns over the validity of this approach. One
concern is that the GFP-tagging of Atg8 may interfere with its normal function in autophagy,
potentially leading to inaccurate conclusions about autophagosome formation. Addition-
ally, some studies have reported that GFP-tagging can alter the localization and distribution
of Atg8 within cells, further complicating the interpretation of results. Therefore, it is
important to consider these potential limitations when interpreting results obtained using
GFP-tagged Atg8 reagents and to corroborate findings with other methods [120]. In order to
overcome the limitations associated with Atg8-GFP-based autophagosome detection, many
Drosophila researchers supplement it with additional assays, such as lysosomal markers
(e.g., LysoTracker Red, LAMP1). By using multiple markers, researchers can get a more
comprehensive and reliable understanding of autophagosome formation and autophagy
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activity. In addition to using multiple markers, another correlative measurement of au-
tophagic activity involves measuring transcriptional upregulation of Atg genes [82,121,122].
These complementary approaches provide a more robust assessment of autophagy activity
and help overcome the limitations associated with using Atg8-GFP as the sole indicator of
autophagosome formation.

Electron microscopy (EM), despite being non-quantitative, is considered the gold
standard for demonstrating the presence of autophagosomes, as it provides direct and high-
resolution visualization of cellular structures; thus, it is still widely employed in autophagy
research involving experiments on Drosophila tissues. Detecting autophagosomes in cells
provides insight into their autophagy activity, but the interpretation of the results can
sometimes be challenging. For instance, increased autophagosome numbers may point to a
rise in autophagy or a failure of autophagosome–lysosome fusion that causes a decrease
in autophagy functionality. This is particularly crucial when determining the connection
between autophagy and disease development. Therefore, efforts are underway to evaluate
autophagic flux, which monitors autophagosome–lysosomal degradation by tracking the
movement of cytoplasm, organelles, and other cargo. For instance, researchers evaluated
autophagic flux through Western blotting to analyze the time-course of ubiquitinated
aggregates on samples from Drosophila brain [123]. They discovered that, as autophagic
activity declines in the brain as it ages, while the levels of ubiquitinated proteins elevate
and Atg8 gene mutations exacerbate the accumulation of ubiquitinated proteins, expression
of Atg8 prevents aggregate accumulation. These findings demonstrate that ubiquitinated
protein levels can be considered a reliable indicator of alterations in autophagic flux,
providing valuable insight into the dynamics of autophagy in diseases and aging.

Transmission electron microscopy (TEM) may afford some valuable data on organelle
ultrastructure but requires additional tests to analyze autophagy and flux, and may not be
practical for high-throughput genetic screens involving analysis of large numbers of genes
or genetic variations in a rapid and systematic manner, including RNA interference (RNAi)
screens, CRISPR-Cas9 screens, and whole-genome sequencing studies. In this regard,
confocal laser scanning microscopy (CLSM) stands out as a commonly employed alternative
for analyzing autophagy in Drosophila, as it allows for relatively quick and efficient analysis
of large numbers of cells or tissues, although it may not provide the same level of detail as
TEM. Staining with vital dyes such as acridine orange, ethidium bromide, and propidium
iodide are commonly adopted to detect the presence of autophagosomes and lysosomes,
and can also be used to quantify the amount of autophagic flux [124]. Fluorescent reporters,
such as GFP-LC3, can label autophagic vesicles and track the dynamics of autophagy in real
time. Moreover, the reagents employed in research on autophagy in Drosophila samples are
often identical or comparable to those used in higher vertebrates, facilitating comparison
between different species [1].

A key factor in autophagy, Atg8a covalently conjugates to phosphatidylethanolamine
in autophagosomes, which is considered a marker of autophagy. Atg8a is found in various
organisms, such as fruit flies, yeast (Atg8), and mammals (LC3). Transgenic Drosophila lines
with Atg8a expression tagged with GFP or mCherry can now be obtained from public stock
centers, and such lines allow in vivo experiments on autophagy under both starvation and
developmental conditions [29,83].

In addition to being a marker for autophagy, Atg8a also plays an essential role in
autophagosome formation, during which cells create a membrane-bound vesicle to enclose
cellular materials for degradation and the protein Atg8a covalently conjugates to phos-
phatidylethanolamine, a type of lipid. This binding is essential for the formation of the
autophagosome and allows the enclosed materials to be degraded and recycled. An E1-like
ubiquitin-activating enzyme, Atg7 activates ubiquitin-like protein conjugation systems,
while Atg3, an E2-like enzyme, catalyzes the transfer of the ubiquitin-like protein from
Atg7 to the substrate. The Atg12-Atg5-Atg16 complex is an E3-like enzyme that facilitates
the transfer of the ubiquitin-like protein from Atg3 to the substrate. Atg8a’s advantage over
other Atg proteins appears to be a greater amount of lipidated Atg8a remaining tagged
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along with completed autophagosomes, which suggests that Atg8a may have a role in the
maturation of autophagosomes and may be important for their stability [15]. Atg8a forms a
membrane anchor for autophagosome formation and maturation, where it is attached to the
outer and inner membranes. In later stages of autophagosome development, Atg4 separates
Atg8 from the external membrane, while it still stays bound to the inner membrane. Two
abnormalities were consistently seen in V-ATPase-depleted fat body cells: a substantial
increase in vesicle size in response to 4 h of starvation and an inappropriate buildup of
mCh-Atg8a-labelled vesicles in the cells of well-fed animals [125].

By tagging LAMPs (lysosome-associated membrane proteins participating in the trans-
fer of molecules into and out of the lysosome) with a fluorescent marker, lysosomes can
be visualized in living cells and tracked over time, which allows researchers to study the
dynamics of lysosomal trafficking and the role of lysosomes in autophagy and endosomal–
lysosomal degradation regardless of their acidification status [12,20,126]. The mCherry-
Atg8a reporter is particularly effective in labeling autolysosomes because it is targeted
to the autophagosome and the fluorescent signal remains stable when it is transported
to the lysosome. This reporter is therefore widely employed to specify autophagic struc-
tures, such as autolysosomes and autophagosomes, and in cases where autophagy is
impaired, autophagosome formation is also impaired, resulting in no punctate signal being
detected [127]. This fluorescence reporter can also indicate changes in the expression of
autophagy-related proteins, which can be indicative of defects in autophagosome fusion or
maturation [128]. The presence of large and bright autolysosomes in cells signals that they
are undergoing normal cellular degradation processes, while small, faint autophagosomes
in starved mutant cells suggest an inability to degrade contents efficiently [12,18,22,127].

Recent studies have reported switching to the use of Drosophila Atg8a fused to triple
mCherry and LAMP reporters and that such triple-mCherry-tagged fluorescent reporters
facilitate visualization of autophagic vesicles and lysosomes in fat body experiments and
other tissues from larval wing disc or midgut cells of adult Drosophila [12,129].

The selective receptor of ubiquitinated proteins, commonly known as Ref(2)P/p62,
is a remarkable autophagic cargo that can be tracked through fluorescent or HA-tagged
reporters [20,39,130]. Not only can Ref(2)P/p62 be detected but it can also be the focus of
autophagic degradation [5,131]. This means that when autophagy is functioning correctly,
p62 levels are low, as it is quickly degraded; however, if autophagy is impaired, p62
accumulates and forms aggregates, and such accumulation can be visualized through the
CLSM, allowing the measurement of autophagic degradation in a cell [12,20,39,132].

Lysotracker and Magic Red dyes are commonly used to stain fat cells in
larvae [12,20,29,47,133], and are membrane permeable, accumulating in acidic organelles.
The appearance of Lysotracker-positive vesicles in starved cells in cases of autophagy
induced by starvation indicates a dramatic increase in the compartment known as an
autolysosome [29,47]. Commercially available Magic Red dye, which fluoresces red upon
intracellular Cathepsin B protease activity, can reliably identify and characterize functional
lysosomes/autolysosomes that contain active cathepsin [20,133]. However, it is important
to note that macrophages and nephrocytes also carry large endolysosomes or phagolyso-
somes, components in the elimination of cellular waste, including foreign particles and
bacteria, through phagocytosis, which test positive for Lysotracker, so they may be con-
fused with autolysosomes [134]. Hence, these dyes cannot be solely relied upon to indicate
autophagy in such cells.

The lack of antibodies that allow the detection of specific endogenous proteins through
Western blotting (WB) and indirect immunofluorescence (IF) methods, as well as exami-
nation of interactions between proteins by immunoprecipitation assays, is a drawback of
Drosophila as a model organism. However, the widespread availability of antibodies against
Atg8a, the most common marker, makes it feasible to perform WB and IF microscopy
experiments [12,71,77,135–137]. In addition, commercially available anti-GABARAP an-
tibodies in humans are another alternative for research involving WB and IF techniques
in Drosophila [127,138]. Monitoring and detecting endogenous Atg8a-positive vesicles is a
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reliable method for identifying autophagosomes. There is also an antibody against the pro-
tein SNARE Syntaxin17 (Syx17), which is necessary for autophagosome–lysosome fusion.
However, despite its localization in autophagosomes [23], anti-Syx17 antibody alone is not
a definitive autophagosome marker, since it is also present in other organelles like mito-
chondria and endoplasmic reticulum [22,127]. Some commercially available anti-Atg5 and
anti-Atg12 antibodies for Drosophila have been employed in studies using the IF method to
track autophagy initiation as phagophore markers [12,23,139,140].

Handling fly tissues requires no special equipment, so IF methods could be per-
formed in a fashion comparable to those employed while working on higher vertebrates.
Fat bodies can be stained by inverting carcasses, fixing, and staining in small contain-
ers and then dissected and mounted after staining [127]. There are two different anti-
Ref(2)P/p62 antibodies that may yield reliable results in studies employing WB and IF
techniques [12,131,132].

The involvement of other intracellular vesicular transport pathways in autophagy may
also be studied through markers for endosomes, the Golgi apparatus, and the endoplasmic
reticulum. To that end, a comprehensive antibody toolkit was developed in Sean Munro’s
lab [141]. In addition, fluorescently tagged reporters for organelles in transgenic Drosophila
offer some potential to analyze autophagy progression and mutant phenotypes. When
retromer depletion was tested on cells, lysosomal hydrolases were found to be loaded
improperly, and enlarged acidic autolysosomes accumulated, which might have been
mistaken for increased autophagy, although TEM studies revealed that the cytoplasmic
material in these vesicles was still intact [142].

TEM is widely considered a standard method for characterizing vesicular transport
events [12]. Although TEM is the gold standard for visualizing autophagic vesicles, it is
imperative to validate its results using other methods such as the CLSM and biochemical
assays [143], which provides additional information about autophagy and its impact
on cellular processes. Autophagic structures in Drosophila cells are almost identical in
appearance to those observed in mammalian cells, which makes it relatively straightforward
for researchers with prior TEM experience to identify autophagic vesicles in Drosophila.

Immuno-electron microscopy (Immuno-EM), as described by Lőrincz et al. [127], is
another approach to the study of autophagy that can be performed through standard
methods. Researchers often use acrylic resins, such as LR White, instead of epoxy resins,
as well as milder chemical fixation methods to preserve the antigens. These adjustments
are important to ensure that the antigens are preserved and can be successfully visualized
and analyzed [23]. Also, utilizing an embedding method with a progressive temperature
lowering may enhance the preservation of antigens during the Immuno-EM analysis [144].
As well as progressively lowering the temperature, techniques such as cryo-ultra-sectioning
and sucrose infiltration of fixed samples may prove beneficial in immunogold labeling
during such analyses. Another convenient tool could be correlative light and electron
microscopy (CLEM), which combines the advantages of EM and light microscopy to
provide high-resolution images of cellular structures and processes. Although CLEM
demands task-specific equipment and expertise, it is appropriate for autophagy studies in
Drosophila and can afford invaluable information about such complex biological processes.

Another method is acid phosphatase enzyme cytochemistry, a technique widely
adopted in the past to discover and analyze lysosomes in various organisms. It involves
detecting the activity of acid phosphatases, which are commonly found in lysosomes and
autolysosomes, through specialized histochemical staining procedures; thus offering a pow-
erful way of visualizing the ultrastructural characteristics of lysosomes and autolysosomes,
though it is now a largely forgotten technique. The practical method of acid phosphatase
enzyme cytochemistry in Drosophila involves incubating fixed tissue samples with a sub-
strate solution to visualize the presence and distribution of acid phosphatase in lysosomes
within cells. The deposition of an electron-dense precipitate serves as a visual indicator of
the lysosomal localization of the enzyme [12,127,144].
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Western Blotting (WB) is typically conducted with samples obtained from the entire
animal body or tissues dissected from the body. To begin, the samples are boiled in a
Laemmli buffer containing SDS for three minutes, then homogenized. This boiling process
is repeated to extract protein, and two centrifugation steps remove fat and other debris.
Atg8a is the primary protein commonly detected in WB experiments [127]. It is comparable
to the detection of mammalian LC3 in blots [1]. The method distinguishes between the
autophagosome-associated version of Atg8a (Atg8a-II) and the non-lipidated form (Atg8a-
I) by their migration during gel electrophoresis. Effective separation of the two bands
using a 13% or higher polyacrylamide gel is used to evaluate autophagy. Increased levels
of Atg8a-II protein as compared to a loading control suggest increased autophagosome
numbers [12,18,20,23]. A decrease in the amount of Atg8a-II protein suggests a problem in
the lipidation of Atg8a or induction of autophagy. At the same time, WB results require
careful interpretation as high levels of lipidated Atg8a can accumulate in some Atg mutants
and elevated levels could imply high autophagic activity in the cells [128]. To avoid
misinterpretation, Atg8a immunoblots should always be evaluated along with flux and
morphological assays.

WB research may also involve the detection of TOR (target of rapamycin) activation,
which is known to inhibit autophagy. In such cases, researchers can determine phos-
phorylation levels of common TOR targets like 4EBP1 and S6K to estimate TOR kinase
activity through readily available antibody kits like phospho-4E-BP1 and anti-phospho-
S6K [12,125,138,145].

With uses comparable to mammalian RFP-GFP-LC3B reporters [1], tandem-tagged
mCherry-GFP-Atg8a reporters are commonly employed to track autophagic flux in
flies [12,23,119,146]. When autophagosomes fuse with lysosomes, the low lysosomal pH
quickly reduces the GFP signal, thus autophagosomes are observed in the form of small
dots that are positive for GFP and mCherry, while autolysosomes test positive for mCherry
only. If internal material fails to degrade, enlarged yellow structures are observed under
microscopy [18,23,128]. However, when a significant number of small autophagosomes are
grouped together, it may complicate the visualization of each vesicle through the CLSM. In
these instances, ultrastructural analysis can be beneficial in determining whether there is a
fusion defect between autophagosomes and lysosomes or whether autolysosomal degrada-
tion is impaired. A common method for measuring autophagic flux involves examining
the buildup of Ref(2)P/p62-positive protein aggregates and ubiquitinated proteins within
cells [127,128,131,132]. Researchers have recently created a GFP-p62 reporter driven by
the tubulin promoter to avoid issues with Gal4/UAS-mediated p62 overexpression and
gene regulation. The reporter, expressed at a constant low level in larval tissues, primar-
ily reflects autophagic degradation, making it a highly sensitive indicator of disrupted
autophagic flux [12,20].

Ref(2)P/p62 antibodies are employed by researchers utilizing the WB method to
monitor autophagic degradation where a rise in p62 levels often signifies a block in the
autophagic intracellular degradation system [12,131,132]. Other techniques involving WB
as the main tool for measuring autophagic flux exist, primarily relying on the transformation
of tagged Atg8a reporters to free GFP or mCherry within lysosomes [127,128,147].

Drosophila has been used for medium-throughput drug experiments on a range of dis-
eases such as heart dysfunction, neurodegeneration, and obesity induced by high-fat intake.
Drosophila larvae and adult flies can be cultured in compounds like rapamycin to trigger au-
tophagy in this model organism [12,29]. Spermidine, an autophagy-triggering compound,
has been shown to increase lifespan in several models and protect against toxicity from
pesticide paraquat, which has been linked to Parkinson’s disease (PD) and alpha-synuclein
(α-Syn), a key protein found to play a role in the pathology of PD [127,148,149]. Toxicity
assays have revealed that compounds mimicking ecdysone hormone in insects (like RH
5849) may initiate autophagy machinery in the fat body [12,83]. Chloroquine (CQ) is known
to block the acidification of autolysosomes and trigger myopathies when fed to fly larvae,
and this method of feeding CQ to larvae has been found to be effective in initiating muscle
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toxicity [12,150]. Bafilomycin A1 can also be utilized to prevent the merging and acidifi-
cation of autophagosome and lysosome; however, due to the potential alteration of TOR
signaling, caution must be exercised when evaluating the outcomes [12,151]. Additionally,
further testing on flies could help validate possible drug candidates that may induce or
enhance autophagy, such as AUTEN-67, known as autophagy enhancer-67 [12,152].

Another approach is to incubate fly tissues with drugs ex vivo, allowing for the
determination of direct effects on a specific cell type and avoiding the potential toxicity of
administering drugs to whole animals. Bafilomycin A1 is an example of a drug that can be
tested using this strategy [125].

Drosophila is a valuable model system in part due to the abundance of genetic methods
accessible to researchers without much effort. There are loss-of-function mutations available
for almost all core autophagy-related genes. However, for the Drosophila counterparts
of Atg101 and FIP200, which are newly discovered parts of the Atg1-Atg13 complex,
no mutant alleles currently exist. This means that researchers do not have the tools to
manipulate the function of these genes in the same way they can with the other core
autophagy genes. In that regard, a database for Drosophila genetics, FlyBase, contains all
information related to the current autophagy alleles and transgenic constructs, serving as
a comprehensive resource for researchers to access up-to-date information on currently
available genetic tools for autophagy research on Drosophila.

In Drosophila, tissues that are highly impacted by autophagy are postmitotic, which
makes it challenging to conduct clonal analysis. This complicates the process of assessing
the tissue-specific functions of autophagy genes, as their function is often pleiotropic. To
overcome this challenge, RNAi technology has proven crucial, as it enables the precise
control of gene knockdown in terms of both space and time. In contrast, genome-wide
RNAi screens in Caenorhabditis elegans are commonly performed through feeding methods,
a widely used practice in the study of gene function [153]. In Drosophila, RNAi feeding
cannot be implemented, so alternative methods have been developed to produce transgenes
expressing snapback/hairpin constructs. One of the most popular methods involves the
utilization of Gal4/UAS [154–156] to specifically express a double-stranded RNAi hairpin,
which results in the post-transcriptional silencing of target genes. Due to achievements
reached by transgenic RNAi, research efforts are geared towards creating a large collection
of hairpin lines on a genome-wide scale [155]. A hairpin construct is a piece of genetic
material that folds back on itself to form a loop, with the two ends of the DNA strand
base-pairing to form a hairpin-like structure. In this respect, researchers created a system for
the targeted integration of these constructs into specific locations in the genome, allowing
for the study of gene function and regulation. This system allows for the precise insertion
of the hairpin construct at a specific location in the genome, allowing for the study of its
effects on gene expression and cellular behavior [154,157]. Researchers collaborated with
the Drosophila RNAi Screening Center to create a “second generation library” and produced
transgenic RNAi lines that target the majority of the core autophagy genes, which are
accessible on FlyBase [158,159].

The exact potential of using Drosophila genes for research on autophagy has yet to be
understood. One reason for this is that the tissues most commonly targeted in autophagy
studies on Drosophila are postmitotic and polyploid, making standard mosaic analysis less
effective. Additionally, it is difficult to design a screening method for autophagy that does
not have a readily observable morphology. While the RNAi-based evaluation of autophagy
in well-known Drosophila cell lines shows some promise, there are questions about the
biological relevance of these studies. The following section will discuss various approaches
used for autophagy screening in Drosophila.

In the past, researchers demonstrated that changes in the Drosophila blue cheese gene
(bchs) cause adult life expectancy to shorten as well as age-dependent brain degenera-
tion and cell death [160]. Bchs and its human equivalent Alfy play a crucial role in the
removal of protein aggregates through autophagy, although the exact mechanism is still
unknown [161]. Studies employing stocks with deficiencies and chosen mutant variations
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managed to discover that mutations in the genes responsible for lysosomal trafficking
altered the strong bchs eye appearance. Significantly, Atg1, Atg6, and Atg18 were found to
accentuate the phenotype, implying that this method could accurately spot genes related
to autophagy. Another study by Arsham and Neufeld [162] combined mosaic analysis
and live-cell/fixed-cell imaging to screen autophagy regulators. They used the Flp-FRT
system to generate homozygous mutant clones and analyzed the lysosomal activity in
the mutant cells compared to surrounding wild-type tissue, identifying 79 transposon
insertions heightening lysosomal activity. These studies highlight the importance of a
multidisciplinary approach to the study of autophagy, as they demonstrate the importance
of combining classical genetics with cutting-edge technologies such as microarray analysis
and mass spectrometry. The results of these studies provide new avenues for further
investigation into the mechanisms of autophagy in Drosophila.

D. melanogaster is one of the best-studied models for numerous mutagenic screens,
development, and aging. This fly proceeds through well-defined stages during its life
cycle, including embryo, larva, pupa, and adult, accomplishing complete phenotypic
metamorphosis. These changes are induced by carefully controlled gene expression at the
transcriptional, epigenetic, and translational levels. Most developmental gene expression
investigations using Drosophila are currently based upon RNA in situ hybridization and
transcriptome analysis which employ large-scale microarray/RNA-seq data sets, or a
combination ofboth. To that end, two contemporaneous studies explored genome-wide
transcript analysis of salivary glands undergoing cell death related to autophagy [121,122].
By using microarrays, Lee et al. discovered several fly ATG genes that showed an increase
in transcription, including Atg2, Atg4, Atg5, and Atg7. Further research from the same
laboratory revealed that Dynein Light Chain 1 plays a crucial role in inducing autophagy
during cell death in salivary glands [163]. The study by Gorski et al. [121] involved a
serial analysis of gene expression (SAGE) approach to examine the transcript levels in
salivary glands undergoing autophagic cell death. The authors reported that they identified
over 732 differentially expressed genes with unknown functions. Juhasz et al. [68] used
microarray technology to investigate the initiation of autophagy in the larval fat body and
discovered that the downregulation of FK506-binding protein 39 kDa (FKBP39) occurred
during autophagy. The study revealed that FKBP39 inhibited autophagy, probably by
exerting a modifying or controlling effect on the Foxo transcription factor.

In addition to gene expression analysis, two research teams employed high-throughput
screening by proteomic techniques to investigate proteins involved in autophagy in the
salivary glands and fat body of Drosophila, allowing for comprehensive analyses of proteins
expressed during autophagy, providing a deeper understanding of the molecular events
underlying this cellular process [164,165]. The latter team employed a shotgun proteomics
method to uncover the proteins involved in the autophagic cell death of larval salivary
glands. Their findings aligned with earlier microarray and SAGE studies, but also revealed
new players in the process—namely Warts, a kinase in the Hippo pathway that was
found to be vital for the regulation of autophagy and the programmed cell fate of salivary
glands [166]. The former team of researchers, Kohler et al. [164] utilized a mass spectrometry
technique with an isotope-coded affinity tag to uncover the players in the starvation-
prompted autophagic response. By contrasting proteins from starved and normal fat
body in Drosophila, they managed to identify 110 proteins that varied in regulation. One
noteworthy discovery was the upregulation of the lipid desaturase Desat1 in the starved
sample, which was found to be a necessary component for starvation-triggered autophagy
and to be localized to structures positive for Atg5 and Atg8.

Drosophila is a valuable testing model in research employing comprehensive genome-
wide high-throughput RNAi screening thanks to its accessible cell culture lines that are
capable of quickly absorbing long dsRNAs introduced to the medium, leading to effective
target gene suppression [167]. Additionally, the availability of extensive dsRNA libraries
enables large-scale screenings to systematically study the functions of all genes predicted
from genomic sequencing. Despite this, there has been no published report of a genome-
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wide autophagy screening using this system, which is somewhat surprising. Nevertheless,
it is evident that cell cultures from Drosophila can be utilized to explore autophagic function
in immunity, cell fate, and nutrient deprivation [59,71,168,169]. In their screening study, the
research team led by Chittaranjan aimed to validate the involvement of genes in autophagic
cell death of the salivary gland. To achieve this, they selected 460 genes that had been
previously identified through expression studies as potentially playing a role in this process.
The screening effort was considered moderately sized, indicating a significant number
of genes were being tested, but not necessarily covering the entire genome [170]. The
researchers triggered cell death in a tumorous hemocyte cell line from Drosophila using
ecdysone, known to initiate metamorphosis and autophagy-related cell death. Through
dsRNA analyses, they discovered 25 genes that may affect survival. Further study showed
that the knockdown of genes including Atg2, Atg3, Atg5, Atg6, Atg7, Atg8a, and Atg8b
resulted in lower levels of cell survival [170]. The results of their study provided valuable
insights into the genetic processes in salivary gland cells leading to death.

1.6. The Role of Autophagy in Organ System Function and Developmental Processes

Autophagy can also act in response to infection, and an autophagy protein called
Beclin was demonstrated to provide some protection against Sindbis virus (SB)-induced
encephalitis in mice [171]. Moreover, autophagosomes can directly engulf bacterial and
viral pathogens [172–174]. Conversely, certain pathogens, including poliovirus and rhi-
noviruses, can use the autophagic machinery to replicate as well as escaping degradation
by autophagy [175].

Although Drosophila lack the adaptive immune response present in higher vertebrates,
this fly can still be a reliable, useful model organism for studying the function of autophagy
in the immune system. In this regard, the Listeria infection highlights both benefits and
drawbacks of bacteria-induced autophagy in adult Drosophila. Microorganisms responsible
for listeriosis trigger antibacterial autophagy in fruit fly cells, relying on the peptidoglycan
recognition protein LE [169]. However, Listeria can escape autophagy in mammalian
macrophages through ActA in the cytoplasm and Listeriolysin O, creating non-degradable
phagosomes [176–178]. Such phagosomes limit bacterial growth, forming from failed
autophagosome or lysosome fusion attempts. Despite these varying autophagy responses
to Listeria-induced infection, studying Listeria and autophagy in Drosophila cells can still
provide insight into Listeria’s ability to evade autophagy.

Previous work in the field [71,179] once again confirmed the value of Drosophila as
an experimental model in viral autophagy research. These studies found that vesicular
stomatitis virus (VSV) infected both cultured and in vivo cells and triggered autophagy, and
suppression of core autophagy genes with RNAi led to higher severity of VSV infection.
Modifying the insulin signaling pathway in experiments was found to have an effect
on virus replication, reflecting PI3K/Tor pathway’s contribution to autophagy. To date,
this is the only study to examine virus-induced autophagy in fruit flies. Such a research
model could attract further research due to Drosophila’s rapid genetics and the evolutionary
distance between host and virus, making it easier to identify potential pathways involving
interactions between pathogens and autophagy [180].

Autophagy is a vital process for cellular health, as it helps maintain a balance between
the production and breakdown of cellular components as well as protecting cells from
damage caused by various environmental factors. Autophagy also helps recycle nutrients
and energy under starvation conditions, such as when oxygen levels are low, as is the case in
the heart muscles of mammals, facilitating the survival of the cells [181]. Such a protective
role could have considerable implications for tumor cells, because autophagy may either
contribute to the survival of tumor cells [182] or inhibit their growth [183]. Conditions
such as Parkinson’s, Alzheimer’s, and Huntington’s, which are all neurodegenerative
diseases, involve the accumulation of large amounts of mutated proteins. Of all the
human diseases related to autophagy, those concerning the unusual accumulation of
proteins have the most advanced model systems in fruit flies, and increased autophagosome
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generation seen in such diseases could have protective functions [184]. Rapamycin is an
immunosuppressant drug that has been shown to induce autophagy in some cell types.
Rapamycin, an mTOR inhibitor, induces autophagy and speeds up the removal of these
harmful substrates. Accordingly, treatment with the rapamycin analog has been found to
cause declines in huntingtin aggregate accumulation and neurodegeneration. This suggests
that induction of autophagy may be beneficial in the treatment of neurodegenerative
diseases [185]. Drosophila neurodegenerative disease models have been employed in several
studies to investigate the role autophagy plays in the toxicity of TDP-43, polyQ repeat,
and Amyloid beta 42 [25,186–188]. By conducting a genetic analysis of the Drosophila
version of Alfy, a protein associated with autophagy, researchers were able to verify its
function in the context of Huntington’s disease. To further investigate how Alfy works, the
researchers implemented Huntington’s pathological changes in the retina to examine its
role in eliminating ubiquitin-positive protein inclusions and halting the degeneration of
neurons. The results of this analysis showed that the Drosophila ortholog of Alfy is essential
for such elimination and suppression of deterioration of neurons in vivo, confirming its
role as a key player in autophagy. This research has been invaluable in furthering our
understanding of the pivotal part of autophagy in the progression of Huntington’s and
has provided insight into potential therapeutic strategies for this devastating neurological
disorder [160,161,189].

1.7. How Data from Drosophila Informs Insights into the Role(s) of Autophagy in Mammalian
Physiology and Pathogenesis

Autophagy is essential for keeping cells balanced and functioning normally, as well as
helping them to cope with challenges like a lack of nutrients. An insect’s fat body stores fat
and helps store and use nutrients and carries out vital metabolic activities, which means
that it can be thought of as an insect’s equivalent of a liver [190]. The fat body, which serves
as the primary storage location, acts rather quickly in cases of deprivation by releasing
amino acids, carbohydrates, and lipids [190]. By exposing larvae to sucrose solution (20%)
in the laboratory, autophagy in fat body cells can be triggered due to amino acid starvation.
This method is advantageous in comparison to submerging larvae in water, as the solution’s
high density enables larvae to float on the surface. Within an hour and a half, autophagy
starts and it peaks in around three to five hours [29]. Larval exposure to sucrose solution
has been found to trigger the synthesis of glycogen to great extents in fat cells, which is an
interesting finding [191].

The fat body forms from the embryonic mesoderm and is made up of two lobes of
cells arranged in monolayers for simple microscopic inspection. These benefits make fat
cells a popular tool for researching autophagy in Drosophila. In addition, organs like the
compound eye are also studied to explore the part of autophagy in neurodegenerative
disorders [134]. In addition, the salivary glands are dependent upon both autophagy and
apoptosis for death, while the midgut depends exclusively upon autophagy and represents
the most reliable example of autophagic cell death in any organism. Autophagy in these
tissues has been studied in both larvae and adults, allowing researchers to investigate the
differences in autophagic processes between different developmental stages as well as the
shrinkage and death of cells [79,192]. The larval midgut is an ideal organ for studying
intracellular trafficking if epithelial cell polarization is desired, as it responds well to
autophagy triggered by starvation in comparison to the fat body. Additionally, the ovaries
of adult female Drosophila have also been used to analyze this type of autophagy [135].

Research into the Atg7-deleted mutant, the first autophagy gene null animal, showed
a distinctive effect where D. melanogaster suffered delayed development, but no visible
morphological defects. However, they were found to be more vulnerable to oxidative
stress and nutrient deprivation, with a shorter life [82]. These phenotypes have been
discovered in the presence of null mutants of certain genes like Atg5, Atg16, necessary
for lipidation in Drosophila Atg8a protein, which is considered a homolog of mammalian
LC3 proteins [136,193]. Lipidation in Atg8a and its mutants are both possible, likely due to
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the presence of residual autophagic degradation, which has been demonstrated in mam-
malian cells [194]. Overall, the function autophagy plays in aging and stress tolerance can
be effectively studied using D. melanogaster. Research on a variety of model organisms,
including mice, has shown that increased autophagy can help maintain cellular balance,
thereby increasing longevity. For example, the expression of Atg8a and Atg1 in Drosophila
neurons has been observed to extend lifespan by up to 50% in comparison to control ani-
mals. Additionally, moderate Atg1 expression in the fat body, intestine, and Malpighian
tubules of Drosophila has been found to extend lifespan by altering mitochondrial genes and
enhancing proteostasis [195]. The elevation in the amount of Ref(2)P (p62 in mammals), a
significant cargo receptor in selective autophagy, not only enhances proteostasis but also
mitochondrial function and mitophagy [196]. This mitophagy activation then leads to im-
proved mitochondrial health and homeostasis, ultimately resulting in an extended survival
or lifespan extension thanks to the activity of prolongevity pathways [197]. When mTOR is
inhibited, a mitophagy-dependent decrease in cyclin E in germline stem cells (GSCs) and
human induced pluripotent stem cells (hiPSCs) delays the normal G1/S transition, driving
the cells toward reversible quiescence (G0) [33].

In Drosophila, while the selective autophagy of ubiquitinated proteins is understood
well, organelle degradation has received little attention. However, Vincow et al. [198] used a
proteomics-based method to show that the main autophagy pathway targets mitochondria
for degradation in lysosomes, a cellular organelle acting as the cell’s recycling center. During
this process, subunits of the respiratory chain, the series of protein complexes responsible
for generating energy within the mitochondria, are selectively removed independently of
the protein Atg7. The degradation of mitochondria in lysosomes can occur through the
formation of mitochondria-derived vesicles. These vesicles are formed through a process
that is dependent on the protein Syntaxin 17, although the precise details of this process
have yet to be fully investigated in fruit flies. The formation of these vesicles and their
subsequent fusion with lysosomes is thought to represent an important mechanism for the
targeted degradation of mitochondria through autophagy [199,200].

Testing on complete animals instead of cultured cells in autophagy-related research
offers a series of benefits; for instance, this approach allows us to observe the organism
as a whole, such as through neuromuscular evaluations in negative geotaxis (climbing)
assays, while it helps gain better insight into the intricate and tissue-specific regulation
of autophagy by examining the information exchange between various tissues and cells
through certain metabolites and hormones [129,138,201].

The ubiquitin–proteasome system and autophagy are two important mechanisms for
maintaining protein quality control in cells. The ubiquitin–proteasome system acts like
a “cleanup crew” for short-lived proteins, marking them for destruction with a chemical
tag called ubiquitin and then breaking them down in a structure called the proteasome.
Autophagy, conversely, can be thought of as a “recycling plant” for larger cellular structures
and damaged organelles. Autophagy engulfs these structures in a membrane-bound sac,
which then fuses with a degradation center called a lysosome to break down the contents
and recycle the resulting molecules. In periods of starvation, autophagy serves as a home-
ostatic response to nutrient deprivation, whereas during periods of abundant nutrition,
it is virtually undetectable in yeast; however, after about 30 min of nitrogen deprivation,
autophagosome generation increases significantly. Thus, autophagy appears to emerge as a
vital mechanism for maintaining cellular homeostasis in periods of nutrient deficiency [202].
The appearance of autophagosomes occurs within one hour of starvation in the fat body of
the fruit fly (D. melanogaster), a multifunctional organ that performs functions similar to
those of the liver in mammals in storing nutrients and providing a source of energy [29].
Similarly, research in mice has shown that under starvation conditions, autophagy increases
in many organs as a way for cells to conserve energy and recycle cellular components for
use as an energy source. This response is particularly pronounced in muscle tissue, where
autophagy helps preserve muscle mass and prevent muscle wasting [203]. Additionally, it
has been observed that autophagy is upregulated by a range of tissues in newborn mice, po-
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tentially as a means of adapting to the sudden lack of nutrients resulting from detachment
from the placenta [84]. Thus, these findings demonstrate that the ability of autophagy to
protect the organism in case of starvation appears to be a rudimentary function preserved
during the evolution of eukaryotic organisms.

In yeast cells, the regulation of autophagy in response to starvation is primarily
controlled by the Target of Rapamycin (TOR) pathway, which senses the availability of
nutrients in the environment and adjusts cellular metabolism accordingly. Under conditions
of high nutrient availability, the TOR pathway suppresses autophagy, allowing cells to
grow and divide, whereas when nutrients become scarce, the TOR pathway is inhibited,
leading to the activation of autophagy as a way for cells to conserve energy and recycle
cellular components [96]. Similarly, higher eukaryotic organisms, such as Drosophila, also
control and regulate autophagy by means of the PI3K pathway, which is upstream of
the TOR pathway which senses changes in the levels of insulin and other growth factors
and adjusts cellular metabolism [204]. Previous research confirmed that both the TOR
and insulin pathways regulate autophagy in the fat body of Drosophila larvae [27]. The
fat body cells of organisms have been observed to exhibit a rapid autophagic response
when subjected to starvation, treatment with the drug rapamycin, or genetic inactivation
of the TOR pathway [29,32,83]. This is evidenced by the strong induction of autophagy
in this tissue following the loss of PI3K or insulin receptor function [29,32,83]. It has
thus been demonstrated that the pathways that regulate autophagy under nutrient-scarce
conditions are conserved in Drosophila. Furthermore, equivalent ATG genes contributing to
autophagosome generation in the Drosophila fat body model implies that autophagy in this
fruit fly species is dependent on preserved features of ATG machinery.

Previous research demonstrated TOR-mediated autophagy across Drosophila and
mammals. In their study, Kim et al. [205] discovered that Rag GTPases activate TOR when
amino acid signaling is present. Experiments on cell cultures from fruit flies and mammals
revealed that a reduction in Rag gene expression weakens the impact of amino acids on
the TOR pathway. To further verify the role of Rag in the TOR-mediated regulation of
autophagy and cell size regulation, they conducted an in vivo testing in the fat body of
fruit flies. In a subsequent study, Li et al. [206] explored the regulation of TOR activity
and autophagy by Rab and Arf family GTPases. They discovered that these GTPases also
regulate TOR, though not through direct interaction with it, unlike Rag.

2. Future Directions

Several studies utilizing the Drosophila model demonstrated that several signaling path-
ways and treatments play well-established roles in control of aging and cancer. Drosophila
researchers have access to an extensive set of tools for investigating autophagy. The remark-
able conservation of the autophagy machinery between this fruit fly species and humans
has made cross-species research particularly valuable, making possible the discovery of
up-to-now uncharted territories in the autophagy pathway. Of particular note, though,
it is crucial to use multiple, complementary assays to accurately determine the status of
autophagy in Drosophila, just as with various other species. Given that this testing model’s
cell biology and physiology exhibit striking similarities to those of humans and that there
are well-established models for analyzing various pathologies, such as the progression
of cancer and neurodegeneration, it has proven to be the ideal system for studying the
fundamental mechanisms and regulation of autophagy. With the establishment of cultured
cell models for autophagic cell death, bacterial autophagy, and viral autophagy, the amount
of research involving RNAi screens for such phenomena should increase in the coming
years. Based on recent knowledge gained from autophagy research, this review article will
hopefully help us gain a better understanding of autophagy machinery at the molecular
level in Drosophila and humans. There are, however, still many aspects of autophagy in flies
that need to be explored, such as selective organelle degradation and selective autophagy,
or xenophagy. Further advancements in the understanding of the function and regulatory
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pathways of autophagy in Drosophila should yield new insights for grasping the significance
of this process.
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dependent lysosomal degradation maintains neuronal function in Drosophila. J. Cell Biol. 2013, 201, 531–539. [CrossRef] [PubMed]

24. Mauvezin, C.; Neisch, A.L.; Ayala, C.I.; Kim, J.; Beltrame, A.; Braden, C.R.; Gardner, M.K.; Hays, T.S.; Neufeld, T.P. Coordination
of autophagosome-lysosome fusion and transport by a Klp98A-Rab14 complex in Drosophila. J. Cell Sci. 2016, 129, 971–982.
[CrossRef] [PubMed]

25. Ravikumar, B.; Acevedo-Arozena, A.; Imarisio, S.; Berger, Z.; Vacher, C.; O’Kane, C.J.; Brown, S.D.; Rubinsztein, D.C. Dynein
mutations impair autophagic clearance of aggregate-prone proteins. Nat. Genet. 2005, 37, 771–776. [CrossRef] [PubMed]

26. Xie, Z.; Klionsky, D.J. Autophagosome formation: Core machinery and adaptations. Nat. Cell Biol. 2007, 9, 1102–1109. [CrossRef]
27. Zirin, J.; Perrimon, N. Drosophila as a model system to study autophagy. Semin. Immunopathol. 2010, 32, 363–372. [CrossRef]
28. Matsuura, A.; Tsukada, M.; Wada, Y.; Ohsumi, Y. Apg1p, a novel protein kinase required for the autophagic process in

Saccharomyces cerevisiae. Gene 1997, 192, 245–250. [CrossRef]
29. Scott, R.C.; Schuldiner, O.; Neufeld, T.P. Role and regulation of starvation-induced autophagy in the Drosophila fat body. Dev. Cell

2004, 7, 167–178. [CrossRef]
30. Yan, J.; Kuroyanagi, H.; Kuroiwa, A.; Matsuda, Y.; Tokumitsu, H.; Tomoda, T.; Shirasawa, T.; Muramatsu, M. Identification of

mouse ULK1, a novel protein kinase structurally related to C. elegans UNC-51. Biochem. Biophys. Res. Commun. 1998, 246, 222–227.
[CrossRef]

31. Yan, J.; Kuroyanagi, H.; Tomemori, T.; Okazaki, N.; Asato, K.; Matsuda, Y.; Suzuki, Y.; Ohshima, Y.; Mitani, S.; Masuho, Y.; et al.
Mouse ULK2, a novel member of the UNC-51-like protein kinases: Unique features of functional domains. Oncogene 1999, 18,
5850–5859. [CrossRef]

32. Scott, R.C.; Juhász, G.; Neufeld, T.P. Direct induction of autophagy by Atg1 inhibits cell growth and induces apoptotic cell death.
Curr. Biol. 2007, 17, 1–11. [CrossRef] [PubMed]

33. Taslim, T.H.; Hussein, A.M.; Keshri, R.; Ishibashi, J.R.; Chan, T.C.; Nguyen, B.N.; Liu, S.; Brewer, D.; Harper, S.; Lyons, S.; et al.
Stress-induced reversible cell-cycle arrest requires PRC2/PRC1-mediated control of mitophagy in Drosophila germline stem cells
and human iPSCs. Stem Cell Rep. 2023, 18, 269–288. [CrossRef] [PubMed]

34. Hosokawa, N.; Sasaki, T.; Iemura, S.; Natsume, T.; Hara, T.; Mizushima, N. Atg101, a novel mammalian autophagy protein
interacting with Atg13. Autophagy 2009, 5, 973–979. [CrossRef]

35. Jung, C.H.; Ro, S.H.; Cao, J.; Otto, N.M.; Kim, D.H. mTOR regulation of autophagy. FEBS Lett. 2010, 584, 1287–1295. [CrossRef]
36. Ganley, I.G.; Lam, D.H.; Wang, J.; Ding, X.; Chen, S.; Jiang, X. ULK1.ATG13.FIP200 complex mediates mTOR signaling and is

essential for autophagy. J. Biol. Chem. 2009, 284, 12297–12305. [CrossRef] [PubMed]
37. Noda, T.; Ohsumi, Y. Tor, a phosphatidylinositol kinase homologue, controls autophagy in yeast. J. Biol. Chem. 1998, 273,

3963–3966. [CrossRef]
38. Chan, E.Y.; Kir, S.; Tooze, S.A. siRNA screening of the kinome identifies ULK1 as a multidomain modulator of autophagy. J. Biol.

Chem. 2007, 282, 25464–25474. [CrossRef]
39. Chang, Y.Y.; Neufeld, T.P. An Atg1/Atg13 complex with multiple roles in TOR-mediated autophagy regulation. Mol. Biol. Cell

2009, 20, 2004–2014. [CrossRef]
40. Funakoshi, T.; Matsuura, A.; Noda, T.; Ohsumi, Y. Analyses of APG13 gene involved in autophagy in yeast, Saccharomyces

cerevisiae. Gene 1997, 192, 207–213. [CrossRef] [PubMed]
41. Kamada, Y.; Funakoshi, T.; Shintani, T.; Nagano, K.; Ohsumi, M.; Ohsumi, Y. Tor-mediated induction of autophagy via an Apg1

protein kinase complex. J. Cell Biol. 2000, 150, 1507–1513. [CrossRef]
42. Kabeya, Y.; Kamada, Y.; Baba, M.; Takikawa, H.; Sasaki, M.; Ohsumi, Y. Atg17 functions in cooperation with Atg1 and Atg13 in

yeast autophagy. Mol. Biol. Cell 2005, 16, 2544–2553. [CrossRef]
43. Kawamata, T.; Kamada, Y.; Suzuki, K.; Kuboshima, N.; Akimatsu, H.; Ota, S.; Ohsumi, M.; Ohsumi, Y. Characterization of a novel

autophagy-specific gene, ATG29. Biochem. Biophys. Res. Commun. 2005, 338, 1884–1889. [CrossRef] [PubMed]
44. Kabeya, Y.; Kawamata, T.; Suzuki, K.; Ohsumi, Y. Cis1/Atg31 is required for autophagosome formation in Saccharomyces cerevisiae.

Biochem. Biophys. Res. Commun. 2007, 356, 405–410. [CrossRef] [PubMed]
45. Hara, T.; Takamura, A.; Kishi, C.; Iemura, S.; Natsume, T.; Guan, J.L.; Mizushima, N. FIP200, a ULK-interacting protein, is

required for autophagosome formation in mammalian cells. J. Cell Biol. 2008, 181, 497–510. [CrossRef] [PubMed]
46. Mercer, C.A.; Kaliappan, A.; Dennis, P.B. A novel, human Atg13 binding protein, Atg101, interacts with ULK1 and is essential for

macroautophagy. Autophagy 2009, 5, 649–662. [CrossRef] [PubMed]
47. Juhász, G.; Hill, J.H.; Yan, Y.; Sass, M.; Baehrecke, E.H.; Backer, J.M.; Neufeld, T.P. The class III PI(3)K Vps34 promotes autophagy

and endocytosis but not TOR signaling in Drosophila. J. Cell Biol. 2008, 181, 655–666. [CrossRef] [PubMed]
48. Qu, X.; Yu, J.; Bhagat, G.; Furuya, N.; Hibshoosh, H.; Troxel, A.; Rosen, J.; Eskelinen, E.L.; Mizushima, N.; Ohsumi, Y.; et al.

Promotion of tumorigenesis by heterozygous disruption of the beclin 1 autophagy gene. J. Clin. Investig. 2003, 112, 1809–1820.
[CrossRef] [PubMed]

357



Toxics 2023, 11, 682

49. Kihara, A.; Noda, T.; Ishihara, N.; Ohsumi, Y. Two distinct Vps34 phosphatidylinositol 3-kinase complexes function in autophagy
and carboxypeptidase Y sorting in Saccharomyces cerevisiae. J. Cell Biol. 2001, 152, 519–530. [CrossRef] [PubMed]

50. Kametaka, S.; Okano, T.; Ohsumi, M.; Ohsumi, Y. Apg14p and Apg6/Vps30p form a protein complex essential for autophagy in
the yeast, Saccharomyces cerevisiae. J. Biol. Chem. 1998, 273, 22284–22291. [CrossRef]

51. Yue, Z.; Jin, S.; Yang, C.; Levine, A.J.; Heintz, N. Beclin 1, an autophagy gene essential for early embryonic development, is a
haploinsufficient tumor suppressor. Proc. Natl. Acad. Sci. USA 2003, 100, 15077–15082. [CrossRef]

52. Petiot, A.; Ogier-Denis, E.; Blommaart, E.F.; Meijer, A.J.; Codogno, P. Distinct classes of phosphatidylinositol 3′-kinases are
involved in signaling pathways that control macroautophagy in HT-29 cells. J. Biol. Chem. 2000, 275, 992–998. [CrossRef]

53. Lindmo, K.; Brech, A.; Finley, K.D.; Gaumer, S.; Contamine, D.; Rusten, T.E.; Stenmark, H. The PI 3-kinase regulator Vps15 is
required for autophagic clearance of protein aggregates. Autophagy 2008, 4, 500–506. [CrossRef]

54. Vanhaesebroeck, B.; Leevers, S.J.; Ahmadi, K.; Timms, J.; Katso, R.; Driscoll, P.C.; Woscholski, R.; Parker, P.J.; Waterfield, M.D.
Synthesis and function of 3-phosphorylated inositol lipids. Annu. Rev. Biochem. 2001, 70, 535–602. [CrossRef]

55. Itakura, E.; Kishi, C.; Inoue, K.; Mizushima, N. Beclin 1 forms two distinct phosphatidylinositol 3-kinase complexes with
mammalian Atg14 and UVRAG. Mol. Biol. Cell 2008, 19, 5360–5372. [CrossRef]

56. Sun, Q.; Fan, W.; Chen, K.; Ding, X.; Chen, S.; Zhong, Q. Identification of Barkor as a mammalian autophagy-specific factor for
Beclin 1 and class III phosphatidylinositol 3-kinase. Proc. Natl. Acad. Sci. USA 2008, 105, 19211–19216. [CrossRef]

57. Liang, C.; Feng, P.; Ku, B.; Dotan, I.; Canaani, D.; Oh, B.H.; Jung, J.U. Autophagic and tumour suppressor activity of a novel
Beclin1-binding protein UVRAG. Nat. Cell Biol. 2006, 8, 688–699. [CrossRef]

58. Takahashi, Y.; Coppola, D.; Matsushita, N.; Cualing, H.D.; Sun, M.; Sato, Y.; Liang, C.; Jung, J.U.; Cheng, J.Q.; Mulé, J.J.; et al. Bif-1
interacts with Beclin 1 through UVRAG and regulates autophagy and tumorigenesis. Nat. Cell Biol. 2007, 9, 1142–1151. [CrossRef]

59. Hou, Y.C.; Chittaranjan, S.; Barbosa, S.G.; McCall, K.; Gorski, S.M. Effector caspase Dcp-1 and IAP protein Bruce regulate
starvation-induced autophagy during Drosophila melanogaster oogenesis. J. Cell Biol. 2008, 182, 1127–1139. [CrossRef]

60. Pattingre, S.; Tassa, A.; Qu, X.; Garuti, R.; Liang, X.H.; Mizushima, N.; Packer, M.; Schneider, M.D.; Levine, B. Bcl-2 antiapoptotic
proteins inhibit Beclin 1-dependent autophagy. Cell 2005, 122, 927–939. [CrossRef]

61. Saeki, K.; Yuo, A.; Okuma, E.; Yazaki, Y.; Susin, S.A.; Kroemer, G.; Takaku, F. Bcl-2 down-regulation causes autophagy in a
caspase-independent manner in human leukemic HL60 cells. Cell Death Differ. 2000, 7, 1263–1269. [CrossRef]

62. Fimia, G.M.; Stoykova, A.; Romagnoli, A.; Giunta, L.; Di Bartolomeo, S.; Nardacci, R.; Corazzari, M.; Fuoco, C.; Ucar, A.;
Schwartz, P.; et al. Ambra1 regulates autophagy and development of the nervous system. Nature 2007, 447, 1121–1125. [CrossRef]

63. Laczkó-Dobos, H.; Maddali, A.K.; Jipa, A.; Bhattacharjee, A.; Végh, A.G.; Juhász, G. Lipid profiles of autophagic structures
isolated from wild type and Atg2 mutant Drosophila. Biochim. Biophys. Acta Mol. Cell Biol. Lipids 2021, 1866, 158868. [CrossRef]

64. Kotani, T.; Kirisako, H.; Koizumi, M.; Ohsumi, Y.; Nakatogawa, H. The Atg2-Atg18 complex tethers pre-autophagosomal
membranes to the endoplasmic reticulum for autophagosome formation. Proc. Natl. Acad. Sci. USA 2018, 115, 10363–10368.
[CrossRef]

65. Osawa, T.; Ishii, Y.; Noda, N.N. Human ATG2B possesses a lipid transfer activity which is accelerated by negatively charged
lipids and WIPI4. Genes Cells 2020, 25, 65–70. [CrossRef]

66. Ichimura, Y.; Kirisako, T.; Takao, T.; Satomi, Y.; Shimonishi, Y.; Ishihara, N.; Mizushima, N.; Tanida, I.; Kominami, E.; Ohsumi, M.; et al. A
ubiquitin-like system mediates protein lipidation. Nature 2000, 408, 488–492. [CrossRef]

67. Tanida, I.; Sou, Y.S.; Minematsu-Ikeguchi, N.; Ueno, T.; Kominami, E. Atg8L/Apg8L is the fourth mammalian modifier of
mammalian Atg8 conjugation mediated by human Atg4B, Atg7 and Atg3. FEBS J. 2006, 273, 2553–2562. [CrossRef]

68. Juhász, G.; Puskás, L.G.; Komonyi, O.; Erdi, B.; Maróy, P.; Neufeld, T.P.; Sass, M. Gene expression profiling identifies FKBP39 as
an inhibitor of autophagy in larval Drosophila fat body. Cell Death Differ. 2007, 14, 1181–1190. [CrossRef]

69. Kirisako, T.; Ichimura, Y.; Okada, H.; Kabeya, Y.; Mizushima, N.; Yoshimori, T.; Ohsumi, M.; Takao, T.; Noda, T.; Ohsumi, Y.
The reversible modification regulates the membrane-binding state of Apg8/Aut7 essential for autophagy and the cytoplasm to
vacuole targeting pathway. J. Cell Biol. 2000, 151, 263–276. [CrossRef]

70. Hemelaar, J.; Lelyveld, V.S.; Kessler, B.M.; Ploegh, H.L. A single protease, Apg4B, is specific for the autophagy-related ubiquitin-
like proteins GATE-16, MAP1-LC3, GABARAP, and Apg8L. J. Biol. Chem. 2003, 278, 51841–51850. [CrossRef]

71. Shelly, S.; Lukinova, N.; Bambina, S.; Berman, A.; Cherry, S. Autophagy is an essential component of Drosophila immunity against
vesicular stomatitis virus. Immunity 2009, 30, 588–598. [CrossRef]

72. Mizushima, N.; Sugita, H.; Yoshimori, T.; Ohsumi, Y. A new protein conjugation system in human. The counterpart of the yeast
Apg12p conjugation system essential for autophagy. J. Biol. Chem. 1998, 273, 33889–33892. [CrossRef]

73. Mizushima, N.; Noda, T.; Yoshimori, T.; Tanaka, Y.; Ishii, T.; George, M.D.; Klionsky, D.J.; Ohsumi, M.; Ohsumi, Y. A protein
conjugation system essential for autophagy. Nature 1998, 395, 395–398. [CrossRef]

74. Peng, D.; Ruan, C.; Fu, S.; He, C.; Song, J.; Li, H.; Tu, Y.; Tang, D.; Yao, L.; Lin, S.; et al. Atg9-centered multi-omics integration
reveals new autophagy regulators in Saccharomyces cerevisiae. Autophagy 2021, 17, 4453–4476. [CrossRef]

75. Kametaka, S.; Matsuura, A.; Wada, Y.; Ohsumi, Y. Structural and functional analyses of APG5, a gene involved in autophagy in
yeast. Gene 1996, 178, 139–143. [CrossRef]

76. Tanida, I.; Mizushima, N.; Kiyooka, M.; Ohsumi, M.; Ueno, T.; Ohsumi, Y.; Kominami, E. Apg7p/Cvt2p: A novel protein-
activating enzyme essential for autophagy. Mol. Biol. Cell 1999, 10, 1367–1379. [CrossRef]

358



Toxics 2023, 11, 682
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Abstract: Airborne micro- and nanoplastics are widely spread and pose a risk to human health. The
third polymer plastic most commonly produced and present in atmospheric fallout is polystyrene
(PS). For these reasons and for a more realistic assessment of biological effects, we examined in-home
oxidised (ox-, simulating photoaging) nPS/mPS (0.1 and 1 μm), comparing the effects with virgin ones
(v-). On human alveolar cells (A549), we quantified the cellular uptake, using FITC-functionalised
nPS/mPS, while cytotoxicity, changes in the acidic compartment, ROS production, mitochondrial
function, and DNA damage were assessed to study the effects of internalised v- and ox-nPS/mPS.
The results showed that the uptake was dose-dependent and very fast (1 h), since, at the lowest dose
(1.25 μg/well), it was 20.8% and 21.8% of nPS and mPS, respectively. Compared to v-, significant
ROS increases, DNA damage, and mitochondrial impairment were observed after exposure to ox-
nPS/mPS. The enhancement of effects due to environmental aging processes highlighted the true
potential impact on human health of these airborne pollutants.

Keywords: environmental wear; uptake; cytotoxicity; ROS overproduction; mitochondrial dysfunction

1. Introduction

Plastics, due to their malleability, high versatility and low cost, are currently widely
used, and their production is only slightly lower than that of concrete and steel [1]. Despite
the remarkable durability, around 50% of the total mass of currently manufactured plastics
is disposable. This aspect has greatly increased their presence in different environmental
matrices, where improperly disposed plastic waste undergoes a slow and partial abiotic
and biotic degradation. Mechanical action of wind and wave motions and prolonged
exposure to ultraviolet (UV) light (photo-oxidation), as well as degradative microbiological
processes), cause the fragmentation of plastic waste, producing secondary microplastics
(<5 mm) and, following further fragmentation, secondary nanoplastics with a diameter
≤0.1 μm [2]. Primary microplastics and nanoplastics, intentionally and directly produced
on a micro- and nanoscale as constituents of specific products, also contribute to plastic
pollution [3]. Micro- and nanoplastics are persistent in the environment and can interact
very easily with biological systems [4,5]. Indeed, they have been found in sediment [6],
soil [7], seawater [8], high mountain lake ecosystems [9] and air [10], but also in many
foods and beverages like shellfish, cooking salt, drinking water and beer [11]. Due to
their hydrophobicity, micro- and nanoplastics are highly bioavailable and are able to
bioaccumulate along the trophic scale [12,13].
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Humans are inevitably exposed to micro- and nanoplastics, mainly via ingestion and
inhalation [14–19], as confirmed by the presence of microplastics in different body regions
as well as in faecal excretion [20–24].

Airborne micro- and nanoplastics are derived from a variety of sources, including syn-
thetic fibres, waste disposal products, incinerators, agricultural practices (such as PS peat
and sewage sludge used as fertilizer), as well as road traffic [10,25–27]. In particular, tyre
wear particles (TWPs) and brake wear particles (BWPs) are formed by complex mixtures of
metal and mainly microplastics. It has been estimated that, in ambient air, around 4% and
11% of the respirable (fine) and inhalable (coarse) particulate matter (PM) are, respectively,
formed by micro- and nanoplastics derived from only TWPs and BWPs [28].

Moreover, indoor exposure to airborne micro- and nanoplastics appears to be highly
relevant, considering the lower dilution volumes, the time spent in indoor environments
(on average, 70–90% of our lifetimes) and the several sources of these pollutants (synthetic
textile fibres, upholstery and furnishing objects or building materials) [29].

We currently know a lot about the pathogenesis of airborne micro- and nano-PM (fine
and ultrafine PM), as well as metal- and carbon-based engineered nanoparticles [30–32].
The ≤2.5 μm particles can overcome mucociliary clearance and reach the alveolar surface,
wherein nanoparticles can bypass the phagocytic activity of macrophages (alveolar clear-
ance). They easily cross the pulmonary epithelial barrier and enter the bloodstream, from
where they are distributed to various anatomical regions [33]. For micro- and nanoparticles,
the number of surface atoms per unit mass is increased by several orders of magnitude,
greatly enhancing the surface area for chemical reactions, while charge, polarity and the
presence of surface reactive groups are fundamental in regulating cellular uptake and bio-
logical effects [34]. The pathogenesis of respirable micro- and nanoplastics is poorly known,
but it can be assumed that the trigger is determined by oxidative stress, which causes lipid
peroxidation, protein and DNA damage, mitochondrial dysfunction and inflammation in
response to tissue damage [35].

Since the largest share of airborne micro- and nanoplastics that humans inevitably
inhale are the secondary ones, subjected in the environment to a variable photo-oxidation,
the aim of this in vitro study was to gain a more realistic assessment of the hazard by study-
ing the biological effects of aged micro- and nanoplastics. In human alveolar epithelial cells
(A549 cell line), the effects of in-home oxidised polystyrene nanoplastics and microplastics
(ox-nPS/mPS), with diameters of 0.1 and 1 μm, were compared to virgin ones (v- nPS/mPS).
In particular, after quantifying the uptake, the cytotoxic effects (i.e., viability loss, changes
in acidic compartment, ROS production, mitochondrial impairment and DNA damage)
in v- and ox-nPS/mPS were compared. The presence on the particle surface of carboxyl,
alkoxyl and hydroxyl groups, simulating the photoaging due to ultraviolet (UV) radiation,
induced by an in-home oxidative process, enhanced the particle reactivity, increasing the
risk for the exposed subjects.

2. Materials and Methods

2.1. Exposure Conditions and Cell Models

Virgin nPS (average size 100 nm) and mPS (average size 1 μm) were purchased from
Sigma-Merck (Milan, Italy; code: BCC8557 and BCC9279). The choice of diameters was
based on the evidence that both mPS and nPS are part of the respirable fraction of inhalable
particulate matter (≤2.5 μm).

nPS/mPS oxidation was performed by the method reported by Mielczarski et al.
(2011) [36]. Briefly, to allow the presence of carboxyl, alkoxyl and hydroxyl groups on the
particle surface, aliquots of stock suspensions in phosphate-buffered saline (PBS, 1:10 ratio)
were treated at 80 ◦C for 2 h. The suspensions were characterised by Fourier-Transform
Infrared (FT-IR) spectrometry, dynamic light-scattering (DLS), scanning electron microscopy
(SEM) and UV-Vis spectrophotometry. As previously reported [37], dynamic light-scattering
DLS analyses and SEM observations confirmed the same average size of the functionalised
microplastics, suggesting that oxidation occurred only at the surface of the particles and
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that it did not cause their aggregation, either in PBS or in cell medium suspensions. UV-Vis
and FTIR spectra highlighted the presence of oxygen functionalities, such as carbonyl and
phenol groups. To quantify spectrofluorometrically the cellular uptake, these functionalised
particles were covalently bound to fluorescein isothiocyanate (FITC). Specifically, the
conjugation was performed using 1-ethyl-3-(3-dimethylaminopropyl) carbodiimide (EDC)
and hydroxybenzotriazole (HOBt) as coupling reagents, and a polyethylene glycol (PEG)
linker. This had two amino groups, one of which was previously bound to FITC, while
the other was bound to functionalised particles (i.e., ox-mPS- and ox-nPS). The reaction
steps, as well as the purification steps, were reported in detail in a previous study [37]. The
complexes were then analysed by FTIR spectroscopy while the photoluminescence (PL)
properties were investigated by dynamic light scattering (DLS) [37]. To assess the stability
of the conjugates under the experimental conditions, a time course (1, 3, 6 and 24 h) was
performed using mPS-FITC suspended in cell medium with 2% FBS and in saline solution
at pH 6.5 (early endosomes) and 4.5 (mature endosomes). Briefly, after 1, 3, 6 and 24 h,
the suspensions were centrifuged (12,000× g for 10 min) and a fluorometric reading was
carried out (ex 485 nm, em 535 nm) in both supernatants and mPS resuspended in the same
volume of fresh solutions. While the emission values were almost constant in FITC-mPS
suspensions, no emissions were recorded in the supernatants, with the exception of the
ones at pH 4.5 at 24 h. Compared with the respective suspensions, the emission values of
the latter were within 10%.

The cellular uptake and the biological effects of virgin (v-) and oxidised (ox-) nPS/mPS
suspensions were assessed in the human alveolar cell line A549 (ATCC-CCL-185 Tm), which
is the model of choice for in vitro studies of airborne pollutants. The cells were cultured
in F-12K medium (Gibco™ 21127022) supplemented with 2 mM of L-glutamine, 10% of
inactivated foetal bovine serum (FBS), and 1% penicillin/streptomycin/amphotericin, at
37 ◦C in a 5% CO2/95% air humidified atmosphere. For all experiments, the exposure
treatment for times and doses established in the experimental protocol was performed in
semiconfluent monolayers grown for 24–36 h and incubated with nPS/mPS suspensions
that were set up in cell medium containing 2% FBS (maintenance cell medium). Although
the presence of proteins could partially neutralise the effect of the particles due to the
so-called “protein corona”, we believe that this protocol best simulates what actually
happens. The corona effect hinders the intake due to the particles’ increased bulk and the
loss of hydrophobicity, which is known to promote the interaction of particles with cell
membranes [38]. Moreover, the protocol meant that exposure to xenobiotics occurred under
physiological conditions and not in cells which, kept in suboptimal conditions, could lead
to an overestimation of the effects. Cells treated with PBS without nPs/mPS were used as a
negative control while cells treated with suitable compounds were used as positive controls.

2.2. Cellular Uptake of nPS/mPS

The stock suspensions of nPS-FITC/mPS-FITC (80 μg mL−1) were diluted in culture
medium and added (100 μL/well), in the range of 1.25–20 μg/well, to A549 cells that had
been grown for 24 h in 96-well microplates (final density 4 × 104 cells/well). After 0.5, 1, 3
and 24 h, fluorometric readings were carried out at the excitation and emission wavelengths
of 485 nm and 535 nm, respectively, by using a microplate reader (Tecan Italia, Milan, Italy).
After recording the emission values in each well, the medium was removed, the monolayer
was washed repeatedly with PBS, to remove uninternalised particles, and emission values
were recorded to measure the percentage uptake (i.e., intracellular nPS-FITC/mPS-FITC).
Moreover, A549 monolayers grown in chamber slides were examined with confocal laser
scanning microscopy (CLSM) using the Leica TCS SP2 instrument (Leica Microsystems,
Wetzlar, Germany), with Leica Confocal software (version 2.0) used to process the images,
which were acquired in both fluorescence and phase contrast. A Leica DM IRB fluorescence
microscope (Leica Microsystems) was used to select the optical fields.
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2.3. Viability Assays

In A549 cells, v-and ox-nPS/mPS-induced cytotoxicity was evaluated by using the col-
orimetric MTT assay, based on the reduction of 3,(4,5-dimethiazol-2)-2,5-difeniltetrazolium
bromide, catalysed by cellular NAD(P)H-dependent dehydrogenases. Briefly, after verify-
ing the absence of particle interference in the spectrophotometric detection of cell viability,
the assay was performed in cells cultured for 24 h in 96-well microplates, to which the
appropriate volume of stock suspensions in PBS (10 mg mL−1) was added in the medium.
The tested concentrations ranged from 12.5 to 200 μg mL−1. Dimethyl sulphoxide (DMSO,
10%) was used as a positive control, and eight different wells were treated for each dilution.
After following our standardised protocol [37], the enzymatic activity was quantified by
spectrophotometric measurement at 540 nm, using a microplate reader (Tecan Italia). The
optical density (OD) values obtained for each sample were compared to the mean OD of
the negative control, which was arbitrarily considered corresponding to 100% viability.

2.4. Assessment of the Cellular Acidic Compartment

Changes in the endocytic apparatus (late endosomes and lysosomes), due to the
uptake of virgin and oxidised nPS/mPS, were examined by employing metachromatic
fluorophore Acridine Orange (AO), which is captured by protons and collected in the
acidic compartment. Here, the highly concentrated probe will emit red fluorescence,
while it will release green fluorescence in the cytosol and nucleus, where AO scarcely
accumulates. The loss of red fluorescence is indicative of acidic compartment damage [39].
The analyses were performed in semi-confluent A549 monolayers grown in chamber slides
and treated for 3 and 24 h at 37 ◦C with nPS/mPS suspensions (100 μg mL−1). After
removing the medium and washing repeatedly with PBS, AO solution (5 μg mL−1) was
added and CLSM was used to assess the endocytic apparatus and other morphological
changes which were nPS/mPS-induced. To quantify the acid compartment, the image-
processing program Image J (imagej.nih.gov/ij/index.html, accessed on 15 September 2022)
was used to calculate the cellular area which emitted red fluorescence. These values were
expressed as %, referring to the total area of each cell, and at least 100 cells were analysed
for each slide.

2.5. Evaluation of ROS Production

To test the pro-oxidant effect of v- and ox-nPS/mPS, ROS were measured by using
the 2′,7′-dichlorofluorescein-diacetate (DCF-DA) probe (Merck Life Science S.r.l., Milan,
Italy). After crossing cell membranes by passive diffusion, the reagent is hydrolysed
rapidly by cellular esterases to 2′,7′-dichlorofluorescein (DCFH). This non-fluorescent
compound is oxidised in the presence of ROS, forming the highly fluorescent molecule
2′,7′-dichlorofluorescein (DCF). Briefly, after repeated washing with PBS, sub-confluent
A549 monolayers (80%) in 96-well microplates were loaded with the probe solution (1 μM)
prepared in PBS containing 10 mM of D-glucose (pH 7.4) and were incubated at 37 ◦C for
30 min [40]. After washing in PBS to remove the non-internalised probe, cells were treated
with v- and ox-nPS/mPS suspensions (in the range of 25–200 μg mL−1). The fluorometric
readings were carried out in the intervals of 0.5–24 h by using a microplate reader (Tecan
Italia) at the excitation and emission wavelengths of 485 and 535 nm, respectively. ROS
production was calculated as the percentage change (Δ%) compared with control cells.

2.6. Mitochondrial Transmebrane Potential

To assess mitochondrial impairment induced by v- and ox-nPS/mPS, we measured
transmembrane potential by the incorporation of the fluorescent probe rhodamine 123
(R123) (Invitrogen Molecular Probes, Eugene, OR, USA). The chemical properties of the
cationic fluorochrome R123 allow mitochondrial membrane crossing and storage in the
matrix only in functional mitochondria that possess a transmembrane potential (ΔΨm),
which is indicative of an active proton gradient maintained during oxidative phospho-
rylation [41]. A549 monolayers, grown in 96-well plates, were treated with 100 μg mL−1
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of v- and ox-nPS/mPS suspensions for 24 h. After incubation at 37 ◦C and washing in
PBS to remove the non-internalised particles, cells were treated with the probe solution
(10 μM final concentration) and incubated for 10 min at 37 ◦C. Fluorimetric readings were
carried out using a microplate reader (Tecan Italia, Milan, Italy) set to 535 and 595 nm as
the excitation and emission wavelengths, respectively. In comparison to the control cells,
the percentage changes of emission values were calculated for each sample.

2.7. Assessment of DNA Damage by the Comet Assay

A549 cells treated for 24 h with v- and ox-mPS/mPS suspensions (100 μg mL−1), were
assessed for DNA integrity by using the alkaline version of the comet assay [42]. Tests
were performed in duplicate on about 2 × 104 cells for each spot, and the electrophoresis
was carried out for 30 min at 300 mA and 25 V (0.86 V cm−1). The slides, stained with
ethidium bromide (20 μg mL−1), were imaged using a DMIRB fluorescence microscope
(Leica Microsystems), equipped with a digital camera (Power Shot S50; Canon, Milan,
Italy), at 400× total magnification. Samples were run in duplicate, and images of 100 cells
per slide were acquired randomly and analysed by using the Comet Assay Software Project
(CASP) software (http://ww25.casplab.com/?subid1=20230810-1122-084e-8a7d-57f935e2
83f5 (accessed on 15 September 2022)). %TDNA (i.e., %DNA in the tail) was considered the
parameter of DNA damage.

2.8. Statistical Analyses

All data are presented as the mean ± standard error (SE) based on at least three
independent experiments. Analyses were performed using the Statistica programme (ver-
sion 10). Lilliefors and Shapiro–Wilk normality tests were used to assess data distribution
patterns. The relationships between different parameters were assessed by using the Pear-
son correlation coefficient, while the t Test was used to assess the differences between
samples. Significance was accepted at p < 0.05.

3. Results

3.1. Cellular Uptakes of nPS/mPS

To spectrofluorimetrically quantify the uptake of nPS-FITC/mPS-FITC in A549 cells,
we generated a time course of emission values. After ascertaining the absence of free FITC
in the particle suspensions in cell medium in the interval 3–24 h, preliminary abiotic tests
showed that the emission values (expressed in arbitrary fluorescence units [AFU]) under
the experimental conditions were 97.13 and 72.45 for 1 μg of mPS and nPS, respectively.
On this basis, in the range of 1.25–20 μg/well, we calculated the internalised amount (μg)
at different times. After 1 h, at the lowest dose to which the cells were exposed, 20.8% and
21.8% of the amount of nPS and mPS, respectively, was internalised.

The results in Figure 1A are expressed as internalised amounts (μg/well) of nPS/mPS
and clearly highlight the significant dose–effect correlation for both sizes of plastic particles
(Pearson correlation coefficient [r] > 0.99). On the other hand, nPS and mPS showed distinct
trends as a function of the exposure time (Figure 1B,C). The amounts of internalised mPS
decreased as the exposure time increased for all tested doses; the percentage decrease (Δ%)
was between 20% (at the lower doses of 1.25–2.5 μg/well) and 30% (at the higher doses of
5–20 μg/well). For nPS, this trend was observed only at the higher exposure doses (Δ% > 30),
while the uptake at lower doses increased by an average of 20% during the entire exposure
period.
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Figure 1. Cellular uptakes of PS/mPS. (A) Time course of spectrofluorimetric measurements of
internalised μg of nPS-FITC/mPS-FITC in A549 cells treated in the range of 1.25–20 μg/well. Highly
significant dose–effect correlation for both sizes of plastic particles was observed (p < 0.01 to Pearson
test). (B,C) Trends of nPS-FITC/mPS-FITC uptake as a function of the exposure time in A549 cells
exposed in the range of 1.25–2.5 μg/well (B) and in the range of 5–20 μg/well (C). In (B,C) each bar
reports the average ± SE of internalised μg (based on FITC Emission value) recorded for 1.25 and
2.5 μg/well (lower doses) and 5, 10 and 20 μg/well of nPS-FITC/mPS-FITC, respectively. The graphs
highlight the different trend over time of nPS-FITC/mPS-FITC uptake, showing a positive finding
only for the lower concentrations of nPS. (D) CLSM images of nPS-FITC/mPS-FITC internalisation
in A549 semiconfluent monolayers treated for 1 h at the dose corresponding to 10 μg/well. The
cells exposed to nPS or mPS exhibited fair cytoplasmatic fluorescence, which was more intense in
mPS-FITC-treated cells. In contrast microscopy image of these latter cells, intracytoplasmic aggregates
of mPS were clearly visible.

Considering the PS density and the size of the particles, we calculated the total num-
ber of internalised particles: ~200 mPS and 200,000 nPS per μg internalised. The markedly
higher number of internalised nPS highlights the greater surface area developed by the
last ones. Because the experiments were performed in 96-well microplates with an aver-
age of 4 × 104 cells/well, regardless of the particle size, the uptake was in the range of
5.1–91.2 pg/cell.

CLSM confirmed the data and showed that the cells exposed to nPS/mPS exhibited
fair cytoplasmatic fluorescence, which was clearly more intense in cells treated with the
more fluorescent mPS (Figure 1D). In summary, the kinetics of nPS/mPS uptake indicated
that internalisation was extremely fast, with a higher amount of internalised nPS.

3.2. nPS/mPS-Induced Changes of the Acidic Compartment

The evaluation of the acid compartment gives an insight about the cellular ability
to neutralize foreign particles. Therefore, employing the metachromatic fluorophore AO,
the microscopic analyses of the endocytic apparatus in cells treated with v-nPS/mPS for
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3 h highlighted a very bulky acidic compartment made up of numerous red organelles,
clearly showing the consistent internalisation of both particles and, at the same time, the
integrity of mature endosomes that almost completely occupied the perinuclear cytosol
(Figure 2A,B).

Figure 2. Changes in acidic compartment and cytotoxicity, v- and ox-nPS/mPS-induced. (A) The
acidic compartment was assessed by employing metachromatic fluorophore AO which gives red
colour when, due to the lower pH values, the dye builds up. The graph (A) reports Δ% of the area
emitting red fluorescence in exposed cells in comparison to control cells. The experiments were
performed in semi-confluent A549 monolayers grown in chamber slides and treated for 3 and 24 h
at 37 ◦C with 100 μg mL−1 of v- and ox-nPS/mPS suspensions. A significant difference between 3
and 24 h was observed for ox-nPS (p < 0.01 to t-test). (B) Representative CLSM images in control and
exposed cells (3 h). A549 cells exposed to v- and ox-nPS/mPS suspensions showed a very bulky acidic
compartment made up of numerous red organelles that, particularly for ox-nPS, almost completely
occupied the perinuclear cytosol. (C) Results of MTT assay in A549 treated for 24 h in the range
of 12.5–200 μg mL−1, corresponding to 2.3 × 102–3.68 × 103 particles/well and 2.3 105–3.68 × 106

particles/well for mPS and nPS, respectively. In comparison to the virgin nPS/mPS, the percentages
of cell viability loss were significantly higher in ox-nPS and mPS (* p < 0.05; ** p < 0.01 to t-test). For
all plastic particles, the decrease in cell viability was positively related to the exposure dose (# p < 0.01
to Pearson test). Compared to mPS, nPS showed a moderately higher cytotoxic effect.

Compared to control cells, in the v-nPS/mPS-treated cells the Δ% of the area which
emitted red fluorescence was 28.3 and 40.1, respectively, on average. In contrast to mPS,
for which the values of v- and ox- were superimposable, a significant increase in the
phagosomal compartment was observed in cells treated with ox-nPS (Δ% 65.5). Further
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changes in the endocytic apparatus were observed after 24 h when, in the cells treated with
both v-nPS and v- and ox-mPS, a moderate reduction in the area of the acidic compartment
was observed. This, underlining a possible spill from the endocytic apparatus, was more
evident in cells treated with ox-nPS in which acidic organelles were also less developed
than the control cells (Δ% −5.1), and the differences compared to 3 h were highly significant
(p < 0.01). The results obtained showed a greater alteration of the acid compartment in cells
exposed to nPS than in mPS, which is more attributable to ox-nPS.

3.3. Cytotoxicity nPS/mPS-Induced

We evaluated cytotoxicity in our cell model by using the MTT assay. The tested doses
ranged from 12.5 to 200 μg mL−1, corresponding to 2.3 × 102–3.68 × 103 particles/well
and 2.3 × 105–3.68 × 106 particles/well for mPS and nPS, respectively, with an exposure
time of 24 h. Both v-nPS and mPS had a moderate cytotoxic effect. Up to 200 μg mL−1, cell
viability was >80% and, at the lowest exposure dose, cell viability was only about 5% lower
than the control cells (Figure 2C). Unlike virgins, a more marked cytotoxicity was elicited
by oxidised particles. In comparison to the virgin nPS/mPS, the percentage of cell viability
loss was 1.9-fold and more than double in cells treated with ox-nPS and mPS, respectively
(p < 0.05). For all plastic particles, the decrease in cell viability was positively related to the
exposure dose. For v- and ox-nPS, the percentage of cell viability loss ranged between 5.4
and 18.8 and between 10.1 and 35.3, respectively (p < 0.01), while for mPS, these percentages
ranged from 4.5 to 12.3 and from 9.7 to 26.3, respectively (p < 0.01). In conclusion, the assay
underlined the moderately higher cytotoxic effect of nanosized particles, especially in the
oxidised rather than in the virgin ones.

3.4. nPS/mPS Increased ROS Production

Figure 3A,B report the time course (0.5–24 h) of ROS production in A549 cells treated
with v- and ox-nPS/mPS in the range of 25–200 μg mL−1. Similar to the kinetic uptake data,
ROS overproduction was already evident after 0.5 h, especially for ox-nPS/mPS. Over time,
ROS levels progressively increased, and r coefficients to the Pearson test were always >0.95
and similar to those calculated for the positive control (H2O2 300 μM). In the interval of
0.5–24 h, DCF emission values increased on average by 15-fold for nPS and 17-fold for mPS,
while no dose effect was observed for v-nPS/mPS. The pro-oxidant effect of v-mPS was
significantly higher, with ROS values which were, on average, double compared to those of
the v-nPS (p < 0.05) and only 20% lower than positive control. Compared to v-nPS/mPS,
the increase was surprisingly smaller and equal to 40% for ox-nPS (P n.s). Conversely, ROS
production induced by the ox-mPS was significantly increased, with emission values more
than double (p < 0.05) in comparison to the v-mPS.

Moreover, ROS overproduction induced by ox-mPS was positively related to doses
(p < 0.01), and the probe emission values were double compared to the positive control
already at 50 μg mL−1 (Figure 3B).

CLSM observations of the semiconfluent monolayers of v- and ox-nPS/mPS-treated
cells (100 μg mL−1) for 3 h confirmed the results (Figure 3C), highlighting diffuse green
cytosolic fluorescence, which was more intense in mPS-treated cells. Moreover, as shown
by magnification of phase contrast micrographs, intracellular clusters of particles are clearly
visible in the mPS-treated cells (Figure 3D). In summary, ROS overproduction was very
fast, size-dependent and higher in cells treated with oxidised particles.
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Figure 3. ROS overproduction induced by v- and ox-nPS/mPS. (A,B) Time courses (0.5–24 h) of
ROS in A549 cells treated with nPS and mPS, respectively, in the range of 25–200 μg mL−1. H2O2

(300 μM) was used as positive control and the values are reported as %Δ relative to control cells.
The two scales on the y axis show the values recorded in the interval 0.5–5 h on the left and those
recorded at 24 h on the right. For v- and ox-nPS/mPS, exposure time and ROS values were always
significantly related (r > 0.95; p < 0.01 to Pearson test). No dose effect was observed for v- nPS/mPS
and for ox-nPS; conversely, ROS overproduction was positively related to doses (p < 0.01) for ox-mPS.
Compared to v-nPS, significantly higher ROS values were observed for v-mPS (p < 0.05 to t-test). No
significant differences were observed between v- and ox-nPS, while the pro-oxidant effect of ox-mPS
was significantly higher compared to v-mPS (* p < 0.05). (C) CLSM images of the semiconfluent
monolayers exposed to v- and ox-nPS/mPS (100 μg mL−1) for 3 h and treated with DCF-DA probe.
A diffuse green cytosolic fluorescence, more intense in ox-mPS-treated cells, is shown. Moreover,
as shown by (D) magnification of phase contrast micrograph, intracellular clusters of particles are
clearly visible in the mPS-treated cells.

3.5. nPS/mPS Induced Mitochondrial Dysfunction

Transmembrane potential (ΔΨm) was detected to assess mitochondrial dysfunction
induced by v- and ox-nPS/mPS. The experiments (Figure 4A) highlighted a moderate
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decrease in nPS-treated cells (%Δ 16 vs. control cells), without differences between v-
and ox-nPS/mPS. Almost the same decrease was recorded in cells treated with ox-mPS.
Instead, the virgin counterpart of these micro-sized particles did not alter mitochondrial
function (%Δ −5 vs. control cells), clearly highlighting that ROS overproduction induced
by v-mPS was directly attributable to the particles and not secondary to mitochondrial dys-
function. In summary, v-/ox-nPS and ox-mPS caused a modest mitochondrial dysfunction
in treated cells.

Figure 4. Mitochondrial impairment and DNA damage induced by v- and ox-nPS/mPS. (A) %Δ
of transmembrane potential (ΔΨm) measured spectrophotometrically by the employment of R123.
Conversely to v-mPS, both v- and ox-nPS and ox-mPS caused a moderate mitochondrial impairment
(%Δ 16 vs. control cells). (B) Results expressed as %Δ of % TDNA to comet assay. The test was
performed after overnight exposure to 100 μg mL−1 suspensions of v- and ox-nPS/mPS. H2O2

(300 μM) was used as positive control. Unlike v- nPS/mPS, the ones oxidised caused a moderate
increase in DNA damage. (C) Representative images of comet assay that was replicated three times
with similar results. Compared to v- nPS/mPS-treated cells, higher level of DNA damage is observed
in ox-nPS/mPS-treated cells.

3.6. nPS/mPS-Induced DNA Damage

The genotoxicity of v- and ox-nPS/mPS was assessed by the comet assay performed
after overnight exposure to 100 μg mL−1 suspensions. H2O2-treated cells (300 μM) served
as the positive control. In our cell model, v-nPS/mPS did not cause DNA damage and
the %TDNA values almost completely overlapped with the control cells (Figure 4B,C).
Conversely, both the oxidised particles were genotoxic and, compared to positive control,
the %TDNA values were only 15% (nPS) and 10% (mPS) lower.

The results were consistent with ROS overproduction and highlight the oxidative
DNA damage induced by exposure to oxidised nPS/mPS.

374



Toxics 2023, 11, 686

4. Discussion

The potential adverse health effects of breathable micro- and nanoplastics in humans
are still poorly studied, despite the increasing quantities of airborne micro- and nanoplastics
that can be found in the ambient air and, above all, in indoor environments. Several factors
contribute to make plastic air pollution a threat for human health. These include both the
features of micro- and nanoplastics and the anatomical and physiological characteristics
of humans.

As reported in the introduction, the progressive fragmentation of plastics and their
low density favour their long stay in the air (fly particles). Other intrinsic features of the
plastic particles, such as hydrophobicity, favour a closer interaction with cell membranes,
inducing higher translocation rates [10].

Regarding humans, we must consider how the defence mechanisms of the respiratory
system are undoubtedly less efficient against microparticles (≤2.5 μm) and, above all,
nanoparticles (≤ 0.1 μm). In particular, while microparticles are phagocytosed by alveolar
macrophages, a process which is much slower than mucociliary clearance and able to
trigger the inflammatory cascade, nanoparticles may bypass macrophage clearance. To
maximise gas exchange, the alveolar epithelium is extremely extended (about 140 m2), and
the alveolar–capillary barrier is particularly thin (<1 μm), which greatly favours the ability
of nanoparticles to cross it and enter the bloodstream. Moreover, considering the volumes
of air breathed daily (always >10 m3 in adults), even a reduced presence of airborne micro-
and nanoplastics (a single particle L−1 corresponds to 10,000 respired particles) would
cause their accumulation both in the lungs and, via the bloodstream, in other organs,
triggering pathogenic processes.

Despite some limitations, mainly due to the lack of characterization of nPS/mPS in
the biological environment where proteins and other components can modify the sizes and
the cell-particle interactions, our in vitro study improves our knowledge of the effects of in-
haled airborne micro- and nanoplastics. We highlighted the enhanced damage attributable
to the surface changes of the particles due to oxidative processes, undergone during their
environmental stay. As previously reported [37], the “artificial aging” used by us signifi-
cantly increased the presence of carboxyl, alkoxyl and hydroxyl groups on their surfaces,
simulating the photoaging endured by the particles once released into the environment [43].
The increase in oxygen-containing groups after the oxidative process was confirmed by
Fourier-Transform Infrared (FT-IR) spectrometry, dynamic light-scattering (DLS), scanning
electron microscopy (SEM) and UV-Vis spectrophotometry [37], which coincided with
that which was reported by Biale et al. (2021) [44], showing surface-limited formation
of oxidised aromatic structures in PS particles without any involvement of the overall
polymer mass. As assumed, the presence of oxygen-containing groups on the particle
surface increased the reactivity, and our results were confirmed by several studies [45–48].

By using homemade FITC-loaded nPS/mPS, we quantified the uptake and highlighted
the speed at which both nPS and mPS were internalised. Similar to that which has been
demonstrated for other particles [30], hydrophobicity favours the close interaction between
micro- and nanoparticles and cell membranes, justifying both the speed of the process and
the yield, as confirmed by the internalised doses, which ranged from 5.1 to 91.19 pg/cell.
For both nPS and mPS, the process was significantly dose-dependent, while only the
internalisation of nPS at low doses was time-dependent. The observed internalisation rate,
equal to approximately one fifth at low exposure doses, and the volumes of air breathed
daily (always >10 m3 in adults), clearly underscore the potential impact of these emergent
pollutants on human health. Even a reduced presence of airborne micro- and nanoplastics
(a single particle L−1 corresponds to 10,000 respired particles daily) would cause their
accumulation both in lungs and, via the bloodstream, in other organs, triggering pathogenic
processes. In humans, the defence mechanisms of the respiratory system are undoubtedly
less efficient against microparticles (≤2.5 μm) and, above all, nanoparticles (≤0.1 μm).
In particular, while microparticles are phagocytosed by alveolar macrophages, a process
which is much slower than mucociliary clearance and able to trigger the inflammatory
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cascade, nanoparticles may bypass macrophage clearance. To maximise gas exchange, the
alveolar epithelium is extremely extended (~140 m2 in adults), and the alveolar–capillary
barrier is particularly thin (<1 μm), which greatly favours the ability of nanoparticles to
cross it and enter the bloodstream.

Despite endocytosis being the main pathway of particle internalisation in all cells, we
cannot exclude the possibility that nanoparticles can cross cell membranes via the energy-
independent diffusion process. Diffusion is gradient-dependent and, albeit partially, is
counteracted by the frictional coefficient of the particle that is in turn related to both the
medium viscosity and the interactions between particles and macromolecules diluted in
the solvent [49,50].

Considering energy-dependent endocytosis, our cell models allowed us to verify
internalisation in epithelial alveolar cells (pinocytosis) which involves actin polymerisation,
as shown by Varma et al. [51]. Therefore, the process requires GTPase activity and can be
receptor-mediated (clathrin-dependent endocytosis or caveola-mediated endocytosis) [50].
The role of the endocytosis pathway had been confirmed in two models of intestinal
cells by using inhibitors of caveola- and clathrin-mediated endocytosis [51,52]. After
membrane invagination, the particles are internalised in early endosomes, which merge
with lysosomes to form endolysosomes (late endosomes); our results revealed the fast load
(i.e., 3 h) of v- and ox-nPS/mPS in the acidic compartment, highlighted by the enlargement
of endolysosomes. Extending observation times, the reduction of the acid compartment,
particularly evident for ox-nPS, could be attributed to endolysosomal permeabilisation,
producing irreversible cytoplasmic acidification, enzymolysis and apoptosis. As confirmed
by the lower viability recorded by the MTT test, the endolysosomal permeabilisation
induced by ox-nPS was more marked, while the moderate cytotoxicity leads us to believe
that a limited number of cells were involved in this effect after exposure to the v-nPS/mPS
and to ox-mPS.

Despite the massive seizure in the endocytic apparatus, a share of nPS/mPS is ran-
domly localised in the cell cytoplasm, causing the observed oxidative damage. We have
reported similar results in HT-29 cells exposed to 3 and 10 μm PS particles [17], and similar
results were obtained in Caco-2 cells [53].

For both nPS and mPS, the cellular-induced redox imbalance was time-dependent and
higher in cells treated with oxidised mPS, confirming their intracellular bioavailability and
the most powerful pro-oxidant effect of aged particles. Surprisingly, the redox imbalance of
aged particles was more evident for mPS, despite the higher surface/mass ratio of the nPS,
which notably increases reactivity [32]. Conceivably, this result is imputable to the higher
cytotoxicity elicited by ox-nPS. The detachment of a large number of cells with internalised
nPS did not allow us to assess oxidative damage in its entirety.

The most powerful pro-oxidant effect of aged particles was highlighted by the results
of the comet assay and mitochondrial transmembrane potential and, unlike the virgin coun-
terpart, oxidised nPS/mPS was able to cause DNA damage and mitochondrial dysfunction.

Since oxidation is the most important degradation process which plastics undergo
during their aging in the environment, our results highlight in a more realistic way the
potential health risk of the general population, mainly exposed to aged nPS/mPS, down-
sizing the value of the first in vitro studies almost always performed using virgin micro-
and nano-polystyrene particles. However, it should be emphasised that nPS impaired
mitochondrial function, regardless of whether it was virgin or oxidised. The decreases in
transmembrane potential after exposure to v- and ox-nPS confirmed the results of Wu et al.
(2019) [53] who observed transmembrane depolarisation in Caco-2 cells exposed to virgin
nanoplastics. In addition to nPS, ox-mPS also decreased transmembrane potential, con-
firming that mitochondrial impairment, by triggering a vicious circle, further contributes
to ROS overproduction, which was significantly increased in cells exposed to ox-mPS.
Moreover, considering the key role played by mitochondria in triggering apoptosis [54],
the observed mitochondrial impairment is certainly not to be underestimated in outlining
the pathogenetic mechanism of these emergent airborne pollutants.
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5. Conclusions

Overall, our results highlight the potential negative effects of the respirable fraction of
plastic particles on human health. These airborne particles, remaining in the environment
for relatively prolonged times, undergo numerous degradation processes, including photo-
chemical ones that cause oxidation, increasing their reactivity. Simulating the photoaging
process and comparing the effects induced by oxidised nPS/mPS to those of virgins, we
clearly demonstrated that the greatest damage is elicited by the former, underlining the
importance of performing the risk assessment using environmentally aged particles. Al-
though the effects induced by these airborne pollutants are much less powerful than those
of other airborne particles (combustion by-products, metals, engineered nanoparticles, etc.),
their potential impact on human health cannot be excluded, especially if urgent action is
not taken to limit their presence in the environment, significantly increased also due to
massive use of face masks during the SARS-CoV-2 pandemic.
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Abstract: Tributyltin (TBT) is an environmental contaminant present on all continents, including
Antarctica, with a potent biocidal action. Its use began to be intensified during the 1960s. It was
effectively banned in 2003 but remains in the environment to this day due to several factors that
increase its half-life and its misuse despite the bans. In addition to the endocrine-disrupting effect of
TBT, which may lead to imposex induction in some invertebrate species, there are several studies
that demonstrate that TBT also has an immunotoxic effect. The immunotoxic effects that have
been observed experimentally in vertebrates using in vitro and in vivo models involve different
mechanisms; mainly, there are alterations in the expression and/or secretion of cytokines. In this
review, we summarize and update the literature on the impacts of TBT on the immune system, and
we discuss issues that still need to be explored to fill the knowledge gaps regarding the impact of this
endocrine-disrupting chemical on immune system homeostasis.

Keywords: endocrine-disrupting chemical; tributyltin; immune system; organotin; cytokines;
immunotoxicity

1. Introduction

1.1. Tributyltin

Organotin compounds are tin-based chemicals made up of hydrocarbons [1]. The
use of these compounds ranges from industrial to agricultural biocidal agents such as
antifungals, acaricides and molluscicides, and they are applied as wood preservatives and
used in antifouling paints. Tributyltin (TBT), one of these organotin compounds, is a general
name used to refer to a set of compounds distinguished by the presence of the (C4H9)3Sn
group and low water solubility, with tributyltin oxide being a famous example [2,3]. TBT
began to be widely used in antifouling paints in the mid-1960s, given its low cost and
effectiveness in protecting ship hulls and underwater marine equipment against biofouling
(TBT hinders the growth of algae, barnacles, mollusks and other organisms on ships’
hulls) [4].
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After years of extensive use, adverse effects of TBT were described as it spread into
the marine environment, where it is harmful to aquatic organisms [5]. For example, in the
invertebrate Nucella lapillus, a low concentration of 1 ng/L was able to induce imposex, the
development of male sexual characteristics in females, as seen in populations of this inverte-
brate along the coast of the United Kingdom [6]. In the commercial oyster Crassostrea gigas,
a concentration of 20 ng/L of TBT affected larval growth, and concentrations smaller than
2 ng/L inhibited its calcification, making it impossible to fish for oysters in Arcachon Bay,
France [7]. The imposex effect has also been described in vertebrates. The first report
of imposex in vertebrates showed that doses of 0.1 μg/g of TBT present in the diet of
Paralichthys olivaceus were sufficient for the masculinization of females [8]. Up to 2011, the
imposex effect of TBT has been described in more than 260 species of marine gastropods.
Moreover, by this time, environmental damage and economic losses had already spread
over several continents [9].

Several restrictions against TBT use in antifouling paints were first imposed in France,
the United Kingdom and other developed countries during the 1980s [10]. Years later,
the International Maritime Organization (IMO) passed a global ban on the application of
antifouling paints containing TBT (from 1 January 2003) and a ban on their presence on
the surface of ships’ hulls (from January 2008) [11]. Even so, in 2004, it was estimated that
70–80% of the world naval fleet used TBT copolymer in its composition, given the economic
benefits [10]. Also, in 2014, a United States company was fined for clandestinely producing
and selling antifouling paints with TBT to various regions of the Caribbean. Nonetheless,
the problem persists because, as recently as 2021, these paints could still be found for sale
on the internet and be sent to different regions such as the Caribbean, Central America and
Oceania [12].

Several factors can increase the half-life of TBT in the environment, such as its ability
to be deposited in marine sediments (because TBT compounds exhibit significant lipid
solubility and are preferentially absorbed by organic matter in soils or sediment) and to
continue to be released into the environment for up to 100 years, according to mathematical
models [4,13]. These factors have contributed to TBT values exceeding 7000 ng Sn/g in an
environmental reserve in the Virgin Islands [14]. TBT also bioaccumulates in several marine
species that are at the base of the food chain [15]. TBT can be found in these organisms even
after 20 years of the initial contamination, maintained by their lipid solubility. Furthermore,
the biomagnification of contamination occurs in the food chain, making it possible to find
TBT residues in fish, seabirds and marine mammals [16].

Given the risk to human health due to the ingestion of products contaminated with
TBT (e.g., seafood, water), the World Health Organization (WHO) has defined an acceptable
daily intake value of 250 ng/Kg/day of TBT [17]. This value was extrapolated by a factor
of 100 due to toxicity, kinetics and inter-individual differences tests performed in rats, in
which the addition of TBT to the diet led to a reduction in the weight and function of the
thymus of these animals [18]. Human exposure to TBT mainly occurs through the consump-
tion of contaminated water and beverages. However, the consumption of marine food, in
particular, has also been identified as a significant pathway for human exposure [19–21]. In
Taiwan, TBT concentrations in oysters ranged from 320 to 1510 ng g−1 dry wt., depending
on sampling locations. The highest TBT concentration (86–91% of total butyltin compounds)
was 1510 ng g−1 dry wt., found in oysters from the Hsiangshan coastal area. Fishermen
showed oyster consumption values of 94.1 and 250 g d−1 for typical and maximum expo-
sure, respectively. The maximum intake of 250 g d−1 by fishermen was almost twice that of
the general population (139 g d−1), indicating potential health risks for those exposed to
these contaminated oysters [21]. In Portugal, 32% of the 28 duplicate diet samples from
members of the University of Aveiro showed the presence of organotin compounds. These
compounds were detected at relatively low levels, with TBT being found in only two of the
samples [22]. In “Isla Grande Atacama,” northern Chile, the daily ingestion of 90 to 173 g
of Thaisella chocolata (equivalent to four to eight organisms) from the most contaminated
sites resulted in the consumption of TBT levels that exceeded the tolerable daily intake
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recommended by the European Food Safety Authority for tin (not exceeding 0.0015% in
food composition and 100 ng Sn Kg−1) [23]. Nevertheless, it is important to highlight
that distinct diets may result in different levels of TBT contamination in human blood and
tissues, but this is not the only determining factor for exposure to TBT [5].

Studies have shown that chronic exposure to TBT, even in values lower than the
acceptable daily intake, may lead to different complications. Newborn C57BL/6J offspring
exposed in utero to 0.05 or 0.5 mg/Kg of TBT (administered to mothers via intraperi-
toneal injection every 24 h from the 12th day of gestation) exhibited accelerated adipocyte
differentiation in the liver, testis and mammary glands. In adulthood, these offspring dis-
played increased epididymal adipose mass [24]. Moreover, exposure of stem cells derived
from 8-week-old C57BL/6J mice, which were previously exposed to TBT (0.1 mg/Kg) in
utero starting at the 16th day of gestation, to 50 nM of TBT for 14 days resulted in the
predominant induction of adipogenesis over osteogenesis. These findings suggest that
prenatal TBT exposure alters the differentiation potential of stem cells, favoring adipogenic
lineage commitment [25]. Female rats treated with 100 ng/Kg/day of TBT showed signs of
dysfunction of the hypothalamic–pituitary–adrenal axis, including inflammation, oxidative
stress and fibrosis [26]. Additionally, treatment of female rats with 100 or 500 ng/Kg/day of
TBT via gavage resulted in abnormalities in renal function, including decreased glomerular
filtration rate, elevated levels of proteinuria, inflammation, oxidative stress and kidney fi-
brosis [27]. Furthermore, an extensive amount of toxic effects due to TBT have already been
described, mainly related to endocrine, metabolic and reproductive dysfunctions [28–33].

Finally, another important adverse effect of TBT is its immunotoxicity. In the present
review, we aim to summarize and update the current literature on the impact of TBT
on the immune system, opening the door for new questions about the impact of this
endocrine disruptor.

1.2. The Immune System

In response to a stimulus, like a challenge by a pathogen, the immune system generates
innate and adaptive immune responses. Briefly, the innate response is immediate, less
specific and primarily involves the action of monocytes, neutrophils and natural killer
(NK) cells. In contrast, the adaptive response is built gradually, being more specific and
long-lasting. It is mainly orchestrated by B lymphocytes, the production of antibodies and
by T lymphocytes that coordinate cell-mediated immune response [34,35].

Regarding T lymphocytes, the population of Tαβ lymphocytes is mainly divided
into two main subpopulations, CD4+ and CD8+ T lymphocytes, named according to their
expression of some surface protein, called clusters of differentiation (CD). These cells have
different functions. CD8+ T lymphocytes can induce the death of tumor cells or cells
infected by viral pathogens via class I major histocompatibility complex (MHC) recognition
and produce inflammatory mediators (interleukin (IL)-2, interferon gamma (IFN-γ) and
tumor necrosis factor alpha -TNF-α) [36,37]. CD4+ T lymphocytes are characterized by the
recognition of class II MHC, expressed on the surface of antigen-presenting cells (APCs),
and can differentiate into different subpopulations depending on the cytokines present in
the microenvironment [36,38]. The main subpopulations of CD4+ T lymphocytes include: T
helper (Th)1 cells, which are capable of promoting a cell-mediated effector response against
viruses, intracellular bacteria and protozoa, and are characterized by the production of
cytokines such as IFN-γ and IL-2 [39]; Th2 cells, which are involved in the coordination
of the humoral response, mainly against parasites (for example, helminths), as well as in
the pathophysiology of several allergies (including asthma and atopic dermatitis), and are
characterized by the production of IL-4, IL-5 and IL-13 [36,39]; and Th17 cells, which are
involved in the defense against pathogens in the mucosa and in autoimmune diseases,
where there is a hyperactivation of Th17 (as in rheumatoid arthritis), and are characterized
by the production of IL-17 and IL-22 [36,40,41]. Regulatory T cells are another important
subtype of T lymphocytes. These have a primary function of suppressing the activation of
the immune system, more specifically inhibiting the activation and expansion of CD4+ and
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CD8+ T lymphocytes and B cell activation, preventing the exacerbation of inflammation.
Regulatory T cells can be characterized by the expression of CD4, CD25 and FOXP3
molecules and by the secretion of granzyme B, TGF-β and IL-10 [42].

The balance of synthesis and secretion (autocrine and paracrine signaling) of differ-
ent cytokines by immune cells and other cell types, such as endothelial cells, fibroblasts
and bone marrow cells, maintains the multicellular network of communication in the
microenvironment [43]. In fact, cytokines are the basis of communication for the initiation,
maintenance and termination of immune responses to infections, and any change in them
can lead to extremes, such as immunosuppression or the establishment of chronic inflam-
mation [44]. TNF-α, for example, modulates the function of effector immune cells, such
as neutrophils, promoting an increase in their activity, adherence and chemotaxis. On the
other hand, IFN-γ promotes an increase in the antitumor activity of natural killer cells, the
phagocytic activity of macrophages and the production of nitric oxide, in addition to the
increased expression of MHC class I and II molecules. Interleukin-1β (IL-1β) affects the
maturation, proliferation and synthesis of immunoglobulins by B lymphocytes, in addition
to stimulating the synthesis of acute-phase proteins at the beginning of the inflammatory
process [43,45,46]. In contrast, other cytokines, such as IL-10, have an immunoregulatory
function, inhibiting the synthesis of cytokines such as IFN-γ, TNF-α, IL-12, IL-2 and IL-
1β, thus inhibiting the inflammatory process and promoting a change in the profile of
macrophages from the activated state to the tissue-resident phenotype [43,47,48].

It is worth noting that the immune system does not act alone; it functions in close
connection with other systems, such as the endocrine system [49]. The mechanism of
communication between the immune and endocrine systems occurs in “two-way” process,
as some immune cells are capable of producing hormones and are also sensitive to hormonal
action [50–55]. A good example is that of estrogen, which can modulate the production
of cytokines, as well as the differentiation, proliferation and even apoptosis of cells of the
immune system such as T and B lymphocytes, mast cells, basophils and eosinophils via
estrogen receptors (ERs) that are expressed by these cells [54]. Cell populations of the
immune system may differ in the expression of ERs, such as CD4+ T lymphocytes that
express greater amounts of ERα than B lymphocytes, which, in contrast, express greater
amounts of ERβ than CD4+ T cells. In parallel, CD8+ T lymphocytes express both ERα and
ERβ in low amounts, but at equal rates [56,57]. Interestingly, TBT has also been described as
an antagonist of human ERs by inhibiting the transcriptional activation of the ER-dependent
reporter gene and the interaction between the ligand-binding domain of the β isoform
(ERβ LBD) and the steroid receptor coactivator-1 (SRC1) [58,59]. Additionally, TBT acts
as an inhibitor of aromatase, the enzyme accountable for the conversion of testosterone
to estrogen, as well as the estrogen receptor in zebrafish, thereby reducing the effects of
ethinylestradiol [60]. Additionally, numerous studies have revealed that TBT disrupts
estrogen signaling, affecting various tissues, as shown in Figure 1 [28,30,33,61–65].

It is also known that different cytokines and chemokines have targets in the hypothalamic–
pituitary–thyroid (HPT) axis. Deregulation in the balance of these molecules can impact
the HPT axis, mainly thyroid function [66]. Therefore, exposure to endocrine disruptors
like TBT can impact innate and/or adaptive responses, more specifically interfering with
the cellular and humoral immune responses, as well as the lifespan of immune cells [67].
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Figure 1. TBT impacts estrogen action and signaling. TBT may affect different systems by positively
(green) or negatively (red) modulating ERα and ERβ, acting as an agonist or antagonist depending on
the model. Additionally, TBT can block aromatase activity, preventing the conversion of testosterone
to estrogen, leading to masculinization of female gastropods, for example.

2. TBT and the Immune System

The relationship between TBT contamination and immunotoxicity was first observed
in animals that live exclusively or mainly in aquatic environments. In in vivo experiments
with the fish Oncorhynchus mykiss, TBT led to thymic atrophy and reduced circulating
lymphocyte population [68]. Moreover, bottlenose dolphins (Tursiops truncatus) and sea
otters (Enhydra lutris) that lived in contaminated sites were found dead along the US
coast and had high tissue concentrations of TBT. The mortality of both species has been
linked to a lower ability of the immune system to fight infectious diseases [69,70]. In vitro
experiments using seal cells (Phoca vitulina) showed that doses of between 50 and 200 nM
of TBT and its metabolite dibutyltin (DBT) reduced the antitumor capacity of NK cells and
decreased the proliferation of T cells, and that 100–200 nM of DBT decreased macrophage
phagocytic activity [71]. Over the last decades, tests have been carried out using animal
models (mainly mice) and human cells, which will be addressed throughout this article, as
a way of inferring whether TBT’s immunotoxic effects might also be seen in humans.

2.1. Mice Models

C57BL/6 mice that had TBT inserted in their diet for a period of two weeks showed a
reduction in the number of lymphocytes in the spleen and lymph nodes, thymic atrophy
and an increase in serum immunoglobulin M, but a decrease in immunoglobulin G [72]. In
addition, BALB/c mice injected with 100 nM of TBT showed an increase in serum levels
of the cytokines IFN-γ, TNF-α and IL-13 and the chemokines MIP-1β and RANTES. A
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decrease in the cytokine IL-2, which is essential for the maturation of B and T lymphocytes,
was also observed [44]. In splenic cells of CBA/J mice stimulated in vitro with anti-mouse
CD3 antibodies, exposure to 0.1 μM of TBT was sufficient to inhibit the secretion of IFN-γ
and IL-4 by T CD4 cells [73]. ICR mice treated in vivo with doses of 4 and 20 mg/Kg
of TBT showed a positive linear increase in thymocyte apoptosis and Fas expression,
indicating that TBT may lead to cell apoptosis [74]. Furthermore, low doses of TBT (0.1,
1, 3 and 10 nM) were also capable of inducing apoptosis of Balb/c thymocytes in vitro
via an increase in reactive oxygen species (ROS), a reduction in growth hormone (GH),
depolarization of the mitochondrial membrane and the activation of caspase-3 [75]. In
Balb/c and C57BL/6 T lymphocytes, it was seen that TBT (100 nM) in vitro induces the
differentiation of T cells to the Th2 phenotype, which is characterized by the production of
IL-10 and suppression of the production of IL-12, one of the main cytokines responsible
for the differentiation of CD4+ T lymphocytes into the Th1 phenotype [76,77]. It was
also observed that in C57BL/6 mice treated in vivo with TBT (6 μmol/Kg), there was
greater ovalbumin-induced airway inflammation than in untreated mice. Furthermore,
in the bronchoalveolar lavage fluid of these TBT-treated animals, there were increased
numbers of eosinophils as well as increased IL-5 levels and IgE levels in serum, which
was expected, given that Th2 cells are involved in the response to allergens [77]. Part of
this effect was due to an increase in oxidative stress in secondary lymphoid organs of
C57BL/6 animals promoted by TBT treatment, and, interestingly, Th17 lymphocytes had
no role in the increased inflammation observed in the respiratory tract [78].

After oral treatment of ICR mice with 1, 10 and 20 mg/Kg of TBT, a decrease in the
percentage of CD4+ and CD8+ T cell populations was observed in the thymus, but with
an increase in the percentage of the CD4+CD8+ and CD4-CD8- T cell populations and
decreased expression of IL-7 [79]. According to the same study, the spleens of ICR animals
were also analyzed during TBT treatment, and a decrease in the percentage of naive CD44-
CD62L+ and effector/memory CD44+ T cells was observed. Collectively, these data suggest
that TBT impairs the development of T cells in the thymus and spleen [79]. Regarding B
lymphocytes, in an C57BL/6 in vitro model, exposure to TBT promoted apoptosis of pro-B
cells. In an C57BL/6 ex vivo model, TBT directly affected the differentiation of B cells, in ad-
dition to altering the bone marrow microenvironment [80]. In macrophages, exposure of the
murine J774.1 cell line to TBT (1–1.5 μM) induced an increase in TNF-α expression and an
increase in caspase-3 activity, leading to an increase in the apoptosis of these cells [81]. Ad-
ditionally, treatment of the J774A.1 cell line with 0.4, 0.6, 1 and 1.2 μM of TBT promoted cell
death possibly via receptor-interacting protein kinase 1 (RIP1) and receptor-interacting pro-
tein kinase 3 (RIP3), which are related to necroptosis. Furthermore, bone marrow-derived
macrophages from TBT-treated C57BL/6 mice also displayed increased apoptosis [82].
Exposure to TBT also induced changes in RAW 264.7 murine macrophages, leading to
activation of the inflammasome complex [83]. Finally, macrophages from C57BL/6 mice
treated with doses of 250 and 500 μg/Kg of TBT showed activation of the peroxisome
proliferator-activated receptor gamma (PPARγ) pathway and increased expression of genes
related to lipogenesis and lipid metabolism, which could be related to a role of the innate
immune system in the TBT-promoted obesogenic effect [84].

2.2. Human Models

In humans, TBT (1 μM) induced neutrophil apoptosis in vitro via a caspase-dependent
mechanism [85]. Moreover, TBT (2.5–200 nM) in vitro decreased the viability of peripheral
blood mononuclear cells (PBMCs) and was able to modulate the production of IL-1β
and IFN-γ in a dose-dependent manner, with the TBT effect varying according to the
concentration and duration of the exposure [86,87]. Also, in PBMCs and in the same
concentrations of TBT (ranging from 2.5 to 200 nM) with varying in vitro exposures of
10 min, 1, 6 and 24 h, TBT induced the activation or increased expression levels of ribosomal
protein S6 (S6), eukaryotic initiation factor 4B (eIF4B) and eIF4E in these cells. Surprisingly,
this activation or elevation occurred at concentrations known to induce pro-inflammatory

386



Toxics 2023, 11, 696

cytokine production, despite the absence of concomitant mRNA upregulation for these
proteins [88]. Specifically, in monocyte-free human PBMCs, in addition to an increase in
IL-1β synthesis and secretion, an increase in IL-6 synthesis and secretion was observed
using the same concentrations of TBT [89,90]. These data were corroborated, given that the
inhibition of Toll-like receptors (TLRs 4, 1/2 and 8) in PBMCs without monocytes treated
with TBT leads to a significant decrease in the production of IL-1β and IL-6. This effect
probably occurs because exposure to TBT causes the activation of these TLRs, promoting
the activation of the MAPK pathway [91].

In human NKs, TBT also modulates IL-1β and TNF-α, promoting an increase in the
secretion of these cytokines at low doses (5–50 nM for IL-1β and 5–100 nM for TNF-α),
but a decrease at high doses (200 nM for both) [86,92]. Other in vitro studies also showed
that NKs exposed to TBT (200–300 nM) had lower expression of perforins and granzyme B,
as well as lower cytotoxic activity against tumors (TBT 25–500 nM) [93,94]. Additionally,
within 10 min of TBT treatment, dosages ranging from 25 to 300 nM promoted the activation
of MAP3K and its associated proteins, such as c-Raf and protein kinase C (PKC), in in vitro
human NK cells. The activation of MAPK3 and apoptosis signal-regulating kinase 1 (ASK1)
in human NK cells was another effect of TBT, but this occurred within an hour of exposure.
In this approach, the innate potential of NK cells to effectively kill target cells may be
disrupted by TBT, which could impair the activation of this pathway in a subsequent
encounter with tumor cells or infected cells [95,96]. Specifically, in human B lymphocytes,
in vitro treatment with TBT (100 nM) reduced the proliferation, survival and differentiation
of mature B cells [97]. Finally, in human marrow cells, TBT (1 nM) led to a decrease
in the percentage of CD19+CD22+ B cells in a mechanism independent of the PPARy
pathway [98,99].

When exposed to concentrations of 0.2 and 0.5 μM of TBT for various times (3, 6,
12 and 24 h) and subjected to whole-genome gene expression microarray analysis, the
human T lymphocyte cell line Jurkat revealed that TBT treatment elicits immunotoxic
effects by inducing endoplasmic reticulum (ER) stress, subsequently leading to an increase
in intracellular Ca2+ levels. This elevation in Ca2+ levels triggers the activation of the
nuclear factor of activated T cells (NFAT) and nuclear factor-kappa B (NF-κB), resulting in
T cell activation, the induction of oxidative stress and, ultimately, cell apoptosis [100]. In
Jurkat cells, doses ranging from 200 nM to 1 μM of TBT also induced apoptotic responses
within 1 to 24 h of treatment, with the recruitment of caspase-8 and caspase-10 by TRAIL-
R2. Interestingly, in Jurkat cells deficient in caspase-8, the apoptotic effects of TBT are
only slightly reduced, whereas the inhibition of caspase-10 prevents all TBT-induced
apoptotic effects [101]. Additionally, in Jurkat cells knockout for DNA fragmentation factor
40 (DFF40), exposure to TBT for 24 h at concentrations of 0.2, 0.4 and 0.6 μM did not induce
DNA fragmentation, apoptosis and ROS production at the same rate as observed in wild-
type cells. These findings indicate that DFF40 may play an important role in regulating
cellular susceptibility to TBT and its contribution to the maintenance of DNA stability [102].

2.3. Other Models

In a zebrafish model (Danio rerio), chronic exposure for 8 weeks with different doses
of TBT (1, 10 and 100 ng/L) led to a decrease in the activity of antioxidant enzymes
(superoxide dismutase (SOD), catalase and glutathione peroxidase), intestinal lysozyme
and immunoglobulin M (IgM) and to an increased expression of TNF-α, IL-1β, IL-6, NF-
κB p65 and heat shock proteins HSP70 and HSP90 in the intestines, indicating that TBT
induces oxidative stress and immunotoxicity in zebrafish [103]. In another protocol of
chronic exposure to TBT with zebrafish for 6 weeks at doses of 10, 100 and 300 ng/L, a
decrease in the amount of lysozyme and IgM was also observed, along with a dysregulation
in the production of thyroid hormones [104].

Unsaturated fatty acid levels in muscle tissue were increased in Gobiocypris rarus fish
after chronic exposure to environmentally relevant amounts of TBT (1, 10 and 100 ng/L)
for 60 days. Pro-inflammatory cytokines TNF-a, IL-1 and the NF-κB transcription factor
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were also upregulated in the muscle tissue, as was antioxidant enzyme activity, suggesting
potential TBT effects on the growth of fish and their nutritional value [105]. Additionally,
after being exposed to TBT concentrations of 50 and 500 ng/L for 60 days, the lined sea-
horse (Hippocampus erectus) showed significant tin accumulation, liver damage, changes
in antioxidant defenses (including increased SOD activity and decreased catalase activ-
ity) and upregulation of 20 genes linked to antioxidant defense, immune responses and
inflammation [106].

In Takifugu obscurus fish, different water concentrations of TBT (1.962, 3.924 and
9.81 μg/L) for 96 h led to increased production of ROS and concomitant upregulation of
CD28 (a known costimulatory receptor present in the surface of T cells) in the gills and liver
of these animals, suggesting that CD28 plays a role in the response to TBT toxicity [107].
Also, in the Takifugu obscurus model, the same concentrations of TBT in water (1.962, 3.924
and 9.81 μg/L) for 96 h and chronic exposure with 900 ng/L for 30 days induced lower
mRNA expression of TLRs 2 and 3 in the gills and higher mRNA expression of TLR18 and
TLR22 in the liver and gills when compared to animals not exposed to TBT, confirming that
these tissues are vital sites in the initial response to TBT exposure [108].

2.4. TBT and Other Endocrine-Disrupting Chemicals

Sensitization to allergens is one of the side effects caused by endocrine disruptors in
the immune system, as they induce the breakdown of homeostasis through changes in the
production of cytokines and chemokines, as summarized in this work in relation to exposure
to TBT (Table 1). In the context of bisphenol S (BPS), water intake of 0.4 μg/Kg/day of
BPS for 6 weeks concomitant with exposure to ovalbumin (OVA) every 2 weeks increased
lung inflammation in C3H/HeJ mice, as well as anti-OVA IgE and IgG1 levels in serum
and IL-5, IL-13, IL-33 and eotaxin levels in bronchoalveolar lavage fluid [109]. In the
mediastinal lymph nodes of these same animals, there was an increase in the number of
total cells and antigen-presenting cells such as dendritic cells. In addition, a restimulation
of lymph node cells with OVA in vitro led to an increase in cell proliferation and cytokine
production of the Th2 lymphocyte profile, such as IL-4, IL-5 and IL-13, indicating that BPS
may lead to an increase in the number of Th2 cells and greater sensitization to allergens.
Similar effects have already been observed for TBT in C57BL/6 mice models [76,77,109].
Furthermore, increased levels of IL-4 and decreased levels of IL-12 were observed in
the umbilical cord blood of newborns whose mothers had higher amounts of monoethyl
phthalate (MEP), a metabolite of di-ethyl phthalate (DEP), in blood and urine (during weeks
24 to 28 of gestation), indicating a possible polarization of newborn T cells towards the Th2
phenotype [110]. Bisphenol A (BPA) at doses of 10, 30 and 50 μM for 12 h led to a greater
translocation of the transcription factor NF-κB p65 and to an increase in the production of
cytokines IL-1β, IL-6 and TNF-α, together with nitric oxide and prostaglandin E2 (PGE2),
in murine macrophages of the RAW264.7 lineage, suggesting that BPA can induce a pro-
inflammatory response in these cells [111].

Table 1. Summary of changes in cytokine/chemokine synthesis and/or secretion caused by TBT treatment.

Cytokine/Chemokine Experimental Model Effect of TBT

IL-1β
Human/in vitro—zebrafish—

Gobiocypris
rarus

- Increased synthesis and secretion at low dose,
inhibited at high dose [86,87,89].

- Increased expression in the intestine [103].
- Increased expression in muscle [105].

IL-2 BALB/c - Decreased in serum [44].

IL-4 C57BL/6 and CBA/J mice
spleen cells

- Indirect increase [78].
- Inhibited in vitro [73].

IL-5 C57BL/6 - Increased in serum [77].
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Table 1. Cont.

Cytokine/Chemokine Experimental Model Effect of TBT

IL-6 Human/in vitro—zebrafish - Increased synthesis and secretion [89,90].
- Increased expression in the intestine [103].

IL-7 ICR mice - Decreased expression in the thymus [79].

IL-10 C57BL/6 - Indirect increase [76,77].

IL-12 C57BL/6 - Indirect decrease [76,77].

IL-13 BALB/c - Increased in the serum [44].

IFN-γ BALB/c, CBA/J mice spleen
cells and human/in vitro

- Increased in serum [44].
- Increased synthesis and secretion at low dose,

inhibition at high dose [86,87].
- Inhibited in vitro [73].

TNF-α
BALB/c/J774.1 cell line and

human/in vitro—zebrafish and
Gobiocypris rarus

- Increased in serum [44].
- Increased synthesis [81].
- Increased synthesis and secretion at low dose,

inhibition at high dose [86,92].
- Increased expression in the intestine [103].
- Increased expression in muscle [105].

MIP-1β BALB/c - Increased in serum [44].

RANTES BALB/c - Increased in serum [44].

In the context of cancer, a single dose of BPA (250 ug/Kg) in newborn Balb/c mice
is capable of inducing lung metastasis with increased intratumoral production of IL-1β,
IL-6, IFN-γ, TNF-α and VEGF in a model of induced mammary tumorigenesis in which
animals were injected in situ with 4T1 tumor cells when they reach sexual maturity [112].
Interestingly, 10−8 M of BPA was also able to increase the migration of breast ductal carci-
noma in situ (DCIS) cells and RAW264.7 macrophages in an in vitro co-culture system. In
in vivo experiments with Balb/c mice, exposure to 2.5 μg/L of BPA for 70 days promoted
an increase in DCIS primary tumor growth rate and lymph node metastasis and a con-
comitant increase in protumorigenic M2 macrophages [113]. It has already been observed
that treatment of C57BL/6 mice with 4 mg/Kg of di(2- ethylhexyl) phthalate (DEHP) for
21 days before the injection of B16F10 melanoma cells and for 7 days after the injection,
reduced the polarization of macrophages into the M1 profile, but increased the polarization
into the M2 profile, leading to tumor formation and growth [114]. This same polarization
for the M2 profile is seen during in vitro exposure to benzophenone-3 (BP-3) in primary
human macrophages [115]. Currently, there are no published data on how the exposure
of macrophages to TBT would alter the immune response of these cells in the context of
cancer, as previously described for other endocrine disruptors.

Similar to TBT, individual and co-exposure to the disruptors mancozeb (8000 mg/Kg/day)
and fipronil (95 mg/Kg/day) for 29 days by oral gavage led to immunotoxicity in the
spleen and thymus of Swiss albino mice (being more prominent in the treatment with
both disruptors), as indicated by lower organ weight and cellularity, lower proliferation of
splenocytes and thymocytes and higher rates of apoptosis and necrosis of these cells [116].
However, injection of Swiss mice with 50 μg/Kg of BPA for 6 weeks led to an increase in
the number of lymphocytes and monocytes in the blood and an invasion of lymphocytes
and eosinophils into the red pulp of the spleen [117]. In addition, doses of 100 μM of BPA,
BPS, BPF and dimethyl terephthalate (DMTP) led to lower proliferation and viability of B
lymphocytes isolated from the spleen of mice and stimulated with LPS, with BPA being the
most toxic for B cells among these [118]. Interestingly, even though TBT is a PPARy agonist,
it can induce a reduction in the mature population of B lymphocytes regardless of activation
of the PPARy pathway by inducing changes in the bone marrow microenvironment that
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lead to adipogenesis in favor of lymphopoiesis [59,80,98,99]. It is important to mention
that other endocrine disruptors that are agonists of the PPARy pathway (such as phthalate
metabolites) are well known to affect the differentiation of B lymphocytes in the bone
marrow by inducing the apoptosis of B lymphocyte precursors [119–121].

3. Current Gaps in Literature

Many gaps need to be filled in the current knowledge about the effects of TBT on the
immune system. For example, its effect on regulatory T cells is unclear; these cells are
crucial for the maintenance of immune homeostasis through the synthesis and secretion
of cytokines such as IL-10, TGF-β and IL-35 [122,123]. To date, there is only one study
available in Japanese demonstrating that in the presence of TBT, regulatory T lymphocytes
are more likely to enter apoptosis than Th2 lymphocytes. [124]. Moreover, TBT’s impact
on the functionality of γδ T cells is still unknown. These cells are widely present in
peripheral tissues, where they promote tissue repair and immune surveillance in barrier
tissues through the synthesis and secretion of various molecules such as IFN-γ, IL-17, IL-22,
keratinocyte growth factor (KGF), insulin growth factor 1 (IGF1) and fibroblast growth
factor 9 (FGF9) [125].

Unfortunately, there are also no studies on the effect of TBT on dendritic cells, even
though these cells are very important for the effectiveness of the immune system, given that
they bridge the gap between innate and adaptive immunity by capturing, processing and
presenting antigens to T lymphocytes, mediating their polarization into effector cells [126].
In the case of other disruptors, it has already been seen that in vitro exposure to a mixture
of BPA and BPF (10–50 μM) led to a decrease in the differentiation and maturation of
human monocyte-derived dendritic cells, in addition to the loss of endocytic capacity and
suppression of activation of NF-κB and ERK 1/2 pathways [127]. In human plasmacytoid
dendritic cells exposed to DEHP, inhibition of the NF-κB and ERK pathways was also
observed, along with lower expression of IFN-α and IFN-β. This led to changes in the
cytokine secretion profile of CD4+ T cells activated by these dendritic cells, suppressing the
production of IFN-γ, but increasing the production of IL-13 [128].

Another relevant point for this discussion is the lack of data about the effects of TBT
on the polarization of macrophages into M1 and M2 profiles, as already described for
other endocrine disruptors. This knowledge is important because M1 macrophages are
mainly involved in the inflammatory response with the secretion of cytokines such as IL-1,
IL-6, IFN-γ and TNF-α, and M2 macrophages are mostly involved in anti-inflammatory
responses, producing cytokines such as IL-10 and TGF-β, so an imbalance between the two
populations leads to the fatal loss of immune homeostasis [129].

There are only two studies on mast cells involving TBT. The first, from 30 years ago,
shows that in vitro exposure of rat serosal mast cells (2.4 × 105 in 0.8 mL of medium) to
1 mM of TBT for 5 min leads to a strong inhibition of histamine secretion [130]. The second,
a study of the impact of TBT on the coronary function, only reports an increase in mast cells
in cardiac vessels of Wistar rats exposed to 100 ng/Kg of TBT per day by oral gavage [131].
As mast cells are cells present in all (but not only) mucosa of the body and synthesize
and secrete various products such as IL-4, IL-6, TGF-β, biogenic amines, growth factors
and proteases [132], the lack of knowledge regarding TBT’s effect these cells is worrisome,
since these cells may contribute to inflammation in the respiratory system. In fact, there
are already enough data to demonstrate that exposure to TBT causes inflammation in the
respiratory system [76–78].

Moreover, to the date of this publication, there are also no data comparing immunolog-
ical alterations in males and females exposed to TBT. Evidence for divergence in responses
between both sexes has already been shown for other endocrine disruptors, such as bisphe-
nols [133] and even for TBT, but this was in the context of the nervous system [134].
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4. Conclusions

In this article, we summarize the existing knowledge about the effects of TBT on
immune system homeostasis. Studies using different animal and human models have
shown that exposure to TBT is able to alter the function and viability of immune cells, which
may impact immune responses. Changes in the homeostasis of cytokine and chemokine
production (summarized in Table 1) were also described in human PBMCs and NK cells.
Furthermore, murine models have shown similar alterations in cytokine profiles in the
serum of TBT-exposed animals, as well as thymic atrophy and changes in cell populations
of primary and secondary lymphoid organs. These changes, along with others directly or
indirectly induced by TBT, lead to an increased sensitization of mice to allergens, as seen by
the increase in the differentiation of CD4+ T lymphocytes to the Th2 profile, the decrease in
the lymphocyte population present in secondary lymphoid organs and the apoptosis of
murine thymocytes. Finally, in both human and murine models, TBT directly impacts B
cell lymphopoiesis, decreasing the mature B cells (Figure 2).

Figure 2. Summary of the main effects of TBT on the immune system.

Here, we have reviewed decades of observation and experimentation studies on the
effects of TBT on the immune system. We hope that this work not only brings light to that
which is already known about TBT, but that it also highlights the scarcity of our knowledge
about this topic and the urgent need for additional studies. Moreover, we hope to call
attention to the impacts of TBT on the environment and on human health, even in doses
considered safe by government agencies worldwide.
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Abstract: Polybrominated diphenyl ethers (PBDEs) are a group of flame retardants used in plastics,
textiles, polyurethane foam, and other materials. They contain two halogenated aromatic rings
bonded by an ester bond and are classified according to the number and position of bromine atoms.
Due to their widespread use, PBDEs have been detected in soil, air, water, dust, and animal tissues.
Besides, PBDEs have been found in various tissues, including liver, kidney, adipose, brain, breast milk
and plasma. The continued accumulation of PBDEs has raised concerns about their potential toxicity,
including hepatotoxicity, kidney toxicity, gut toxicity, thyroid toxicity, embryotoxicity, reproductive
toxicity, neurotoxicity, and immunotoxicity. Previous studies have suggested that there may be
various mechanisms contributing to PBDEs toxicity. The present study aimed to outline PBDEs’ toxic
effects and mechanisms on different organ systems. Given PBDEs’ bioaccumulation and adverse
impacts on human health and other living organisms, we summarize PBDEs’ effects and potential
toxicity mechanisms and tend to broaden the horizons to facilitate the design of new prevention
strategies for PBDEs-induced toxicity.

Keywords: polybrominated diphenyl ethers; exposures; toxic effects; toxic mechanisms

1. Introduction

Polybrominated diphenyl ethers (PBDEs) can inhibit combustion in organic material
and suppress toxic fumes formation. They are thus found in various products, including
electronics, vehicles, plastics, furnishings, polyurethane foams, building materials and
textiles [1]. As halogenated organic compounds, PBDEs consist of two benzene rings
connected by an oxygen atom. A total of 209 PBDE congeners named according to the
number of bromine atoms and their position (i.e., ortho-, meta-, and para-substitution)
are included in PBDEs [2,3]. Among these congeners, the major components available
for commercial use are pentabromodiphenyl ether (penta-BDE), octabromodiphenyl ether
(octa-BDE), and decabromodiphenyl ether (deca-BDE, PBDE-209) [4]. However, despite
their efficiency in preventing fires, extensive use of PBDEs has engendered great safety
concerns for the environment and public health [5]. Therefore, the present study aims to
summarize the hazardous effects and potential mechanisms of PBDEs.

Since PBDEs are not chemically bonded to the polymer product, they are easily
released into surroundings and become persistent organic pollutants, leading to contamina-
tion of the external environment [6]. PBDEs are distributed throughout the world and are
frequently found in air, soil, water, and biota. For example, PBDEs enter the environment
through atmospheric emissions from various sources, such as waste incineration, manu-
facturing, and recycling infrastructures [7]. The generated pollutants are transported long
distances via airflow, resulting in deposition and accumulation in distant regions [8]. In
addition, disposal of PBDE treatment materials in landfill sites and illegal sites may lead to
the emission of leachate, thereby imposing major soil pollution issues [9]. Owning to the
lipophilic and hydrophobic properties, PBDEs bind firmly to organic matter and remain
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in soils with reported half-lives of about 28 years [10]. The contaminated soils may also
transfer PBDEs to suspended solids and sediments of aquatic environments via precipita-
tion run-off [11]. Water is an important medium for PBDEs transmission [12]. Therefore, a
persistent concern has been raised about the increasing levels of PBDEs in sewage treatment
works [9,13]. PBDEs can enter the human body via ingestion of dust-bound PBDEs and
inhalation of air-containing PBDEs [14]. In addition to the direct exposure, PBDEs are
absorbed by the plants’ roots and shoots that eventually enter the food chain [15]. PBDEs in
fish, meat and livestock products may also result in a dietary risk and increase the PBDEs
body burden in human beings [16,17].

People are unwittingly exposed to chemicals through their food, drinking water, the
air they breathe, dust, and contact with consumer goods. Therefore, PBDEs may affect
overall health by interacting with other substances. For instance, when microplastics and
PBDEs were both present, the oxidative system was more severely disrupted than when
either was present alone [18]. Interestingly, those who opt for the high-fat diet (HFD) are
more at risk of BDE-209, exacerbating the advancement of non-alcoholic fatty liver disease
(NAFLD) [19]. The combination of cadmium and PBDE-209 exposure resulted in more
severe damage to hepatocytes [20]. Telomere length among newborns is linked to prenatal
exposure to mixtures of per- and polyfuoroalkyl substances (PFAS) and PBDEs [21]. Besides,
prenatal PBDEs can adversely affect child health, so the exposure of pregnant women to
PBDEs cannot be ignored. For example, it was determined that prenatal exposures to
PBDEs correlated with heightened liver injury risks, impaired cognitive performance, and
fetal growth restriction in children [22–24]. In this review, we summarize the literature
regarding the effects of combined and indirect exposures, which could further clarify
PBDEs’ detrimental effects.

PBDEs are ubiquitous toxicants frequently detected in human tissues [25]. As an
essential organ for the metabolism of exogenous compounds, the liver serves as the main
target for PBDEs [26,27]. For instance, the transplacental transfer of PBDEs from mother
to fetus leads to tissue accumulation in the fetal liver [28]. Various PBDE congeners, such
as PBDE-3, PBDE-7, PBDE-17, PBDE-99, PBDE-153, PBDE-197, and PBDE-209, have been
reported to accumulate in blood, hair, and nails [29,30]. Hair and nail samples are non-
invasive biomonitors. PBDE-47 and PBDE-99 were the predominant PBDEs detected in
hair and nail samples [31]. Moreover, PBDEs have been found in human breast milk, cord
blood and placentas. Therefore, it’s inevitable that newborns are exposed to high levels of
PBDEs during prenatal and postnatal periods [32]. Additionally, PBDEs were reported in
adipose, kidney, lung, and semen [33].

Because of concerns regarding PBDEs’ persistence, bioaccumulation, and potential
toxicity, numerous studies have focused on delineating the underlying mechanisms. Herein,
we review the literature addressing the effects on different tissues and mechanisms known
to potentially contribute to PBDEs toxicity. The summarized information of this study may
provide a clearer understanding of the impact of PBDEs on health.

2. Liver Toxicity

The liver is an essential organ for metabolic detoxification and is sensitive to envi-
ronmental toxicants. Hence, the liver is susceptible to injury when exposed to xenobi-
otics [26,34,35]. For instance, significant liver weight increase and cell swelling, coupled
with an elevated expression of cytochrome P450 (CYP1A2, CYP3A1, and CYP2B1) enzymes
and genes and hepatocytic fatty degeneration, have been reported in PBDEs (the structures
are shown in Figure 1) treated animals [36–41].
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Figure 1. Structures of polybrominated diphenyl ethers (PBDEs). PBDEs consist of two benzene rings
connected by an oxygen atom. A total of 209 PBDE congeners named according to the number of
bromine atoms and their position (i.e., ortho-, meta-, and para-substitution) are included in PBDEs.
m + n = 1–10.

2.1. Oxidative Damage and Apoptosis

A study on zebrafish has shown that PBDE-47 and PBDE-153 exposure markedly
increased catalase (CAT) and superoxide dismutase (SOD) activities [26]. Additionally,
the upregulation of apoptotic-regulated genes, including cysteine-aspartic acid protease-3
(Caspase-3) and tumor protein 53 (P53), as well as downregulation of anti-apoptotic genes,
including B-cell lymphoma 2 (Bcl2) were observed in zebrafish treatment with PBDE-47
and PBDE-153, indicating PBDEs may regulate hepatic oxidative stress, DNA damage and
apoptosis [26]. In addition, PBDE-47 and PBDE-32 reduced cell viability, generated reactive
oxygen species (ROS) and triggered apoptosis in human hepatocellular carcinoma cell line
HepG2 cells [42,43]. Shao et al. have analyzed the response of primary human fetal liver
hematopoietic stem cells (HSCs) to PBDE-47 induction. They found higher concentrations of
PBDE-47 may elicit overt ROS generation and lipid peroxidation, whereas N-acetylcysteine
(NAC) can alleviate oxidative damage induced by PBDE-47 [44]. Analogously, trout
liver cells exposed to PBDE-47 displayed a significant reduction in cell viability. The
enhanced 6-carboxy-2′,7′-dichlorodihydrofluorescein diacetate (H2DCFDA) fluorescence in
the presence of PBDE-47 indicated liver cells may be sensitive to PBDE-47 via a mechanism
involving oxidative stress [45]. Zhang et al. investigated a rescue strategy using troxerutin
to ameliorate PBDE-47-induced hepatocyte apoptosis. Perturbation of proteasome functions
leads to endoplasmic reticulum (ER) stress, which is associated with apoptosis. They found
that troxerutin efficaciously mitigates mice’s liver apoptosis via modulating oxidative stress-
mediated proteasome dysfunction. Furthermore, the downstream TNF receptor-associated
factor 2 (TRAF2)/apoptosis signal-regulating kinase 1 (ASK1)/c-Jun N-terminal kinase
(JNK) pathway was dramatically blocked by troxerutin in PBDE-47-treated mice livers [46].
Meanwhile, PBDE-47 promotes liver inflammation by inducing oxidative stress-triggered
nicotinamide adenine dinucleotide (NAD+) depletion. Troxerutin may abate oxidative
stress, preventing the NAD+-depletion-mediated loss of silent mating type information
regulation 2 homolog 1 (Sirt1) and subsequent occurrence of inflammation [47]. In rat
liver, PBDE-99 induced oxidative damage as evidenced by increased SOD activity and
oxidized glutathione (GSSG) level, as well as decreased glutathione (GSH) level and CAT
activity [48]. Likewise, PBDE-99 activated Caspases (i.e., Caspase-3 and Caspase-9) and
generated toxic levels of ROS, thereby causing HepG2 cell apoptosis [49]. PBDE-209 and
its quinone-type metabolite could induce an oxidative stress response, which activates ER
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stress and the autophagy-lysosomal system in hepatocytes [50,51]. Meanwhile, PBDE-209
disrupted calcium homeostasis, induced mitochondrial Ca2+ overload, and the subsequent
cell apoptosis occurred [50,52]. Hu et al. have conducted several experiments to assess
oxidative stress indicators. For example, increased ROS and lactate dehydrogenase (LDH)
leakage have been observed in HepG2 cells dosed with PBDE-209 [53]. PBDE-209 could
upregulate the activity of hepatic glutathione reductase (GR), and this elevation may
compensate for cellular GSH depletion [54]. Interestingly, in 2013, samples of the kingfisher
were collected from the e-waste recycling site and processed for biochemical analysis. The
analysis showed that PBDEs, malondialdehyde (MDA) and ROS levels in kingfishers from
e-waste sites were markedly increased compared with the normal group. Conversely, SOD
and CAT activities in the liver from the exposed area were lower than in the reference
group [55]. Transcriptional profiles of O.melastigma liver were analysed. The results
discovered that PBDE-47 may activate phosphoinositide-3-kinase (PI3K) and mitogen-
activated protein kinase (MAPK) pathway, which can modulate cell growth, proliferation,
and survival [56]. The mechanisms are shown in Figures 2 and 3.

Figure 2. PBDEs-induced toxicity is associated with oxidative damage. PBDEs exposure can alter
antioxidant enzyme activities, generate reactive oxygen species (ROS), increase malondialdehyde
(MDA), and induce lactate dehydrogenase (LDH) leakage. Arrows indicate up (red colour), increased;
down (green colour), decreased; up or down, increased or decreased (opposite research results exist).
The yellow highlighted text is an explanation of the figure.
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Figure 3. PBDEs-induced toxicity is associated with apoptosis. PBDEs exposure can reduce mi-
tochondrial membrane potential (MMP), increase caspase activities, disrupt calcium homeosta-
sis, induce endoplasmic reticulum (ER) stress and damage DNA. TNF receptor-associated factor
2 (TRAF2)/apoptosis signal-regulating kinase 1 (ASK1)/c-Jun N-terminal kinase (JNK) pathway,
phosphoinositide-3-kinase (PI3K) pathway, extracellular signal-regulated kinase (ERK)/c-Jun N-
terminal kinase (JNK) pathway, mitogen-activated protein kinase (MAPK) pathway and peroxisome
proliferator-activated receptor γ (PPARγ)/retinoid X receptor α (RXRα)/sterol regulatory element-
binding protein cleavage-activating protein (SCAP)/sterol regulatory element-binding protein-1
(SREBP-1) pathway are activated by PBDEs. Arrows indicate up (red colour), increased; down (green
colour), decreased. The yellow highlighted text is an explanation of the figure.

2.2. Disturbance of Glucose and Lipid Metabolism

A growing body of evidence supports the idea that exposure to PBDEs is associated
with metabolic dysfunction, with findings suggesting that these toxins may interfere with
glucose and lipid metabolism. PBDE-47 and PBDE-153 have been reported to alter the
blood-liver balance of lipids and disturb glucose metabolism in mice [1,57]. Moreover, to
test if the aberrant metabolic phenotype is associated with altered liver epigenome, adult
rats were exposed to PBDE-47, and functional analysis displayed that genes related to
differentially methylated regions and differentially expressed miRNA were involved in
lipid metabolism [58]. PBDE-71 has been found to reduce the activity of phosphoenolpyru-
vate carboxykinase, a key metabolic enzyme in hepatic glucose and lipid metabolism, and
change the glucose: insulin ratio [59,60]. C57BL/6 mice that received PBDE-71 exhibited
glucose intolerance, fasting hyperglycemia, retarded glucose clearance, and diminished
thermogenic brown adipose tissue mass [61]. Zhu et al. reported PBDE-209 altered protein
kinase A (PKA), phospho-PKA (p-PKA), adenosine 5′-monophosphate-activated protein
kinase (AMPK), phospho-AMPK (p-AMPK), acetyl-CoA carboxylase (ACC), and fatty
acid synthase (FAS) expression in rats’ liver and LO2 cells (human normal liver cells).
Besides, protein kinase cyclic adenosine monophosphate (cAMP)-activated catalytic sub-
unit α (PRKACA-1) hypermethylation induced by PBDE-209 was observed in LO2 cells.
Further study revealed that hypermethylation may contribute to disturbance of glycolipid
metabolism [62]. Casella et al. exposed HepG2 cells to PBDEs (i.e., PBDE-47, PBDE-99 and
PBDE-209) at 1 nM. The following Kyoto Encyclopedia of Genes and Genomes (KEGG)
pathways and Gene Set Enrichment Analysis (GSEA) analyses were carried out, and the
results indicated that PBDE-47 perturbed the glucose metabolism and hypoxia pathway; the
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ternary mixtures containing PBDE-47, PBDE-99 and PBDE-209 influenced lipid metabolism
and PI3K/protein kinase B (AKT)/mammalian target of rapamycin (mTOR) signaling
pathway. Meanwhile, PBDE-209 was reported to cause increased estrogen receptor α
(ERα) and peroxisome proliferator-activated receptor α (PPARα) gene expression. These
mechanism-based findings may reveal the potential relation between PBDEs and glycol-
ipid metabolism [27]. PPARγ is an important nuclear receptor crucial in regulating lipid
metabolism and glucose homeostasis [63]. Of interest, PBDE-47, a potential PPARγ ligand,
could activate PPARγ [64,65]. PPARγ may push the adipocyte differentiation process
forward by forming a positive-feedback loop with liver X receptor α (LXRα) [66]. It was
reported that PPARγ activated by PBDE-47 may increase the expression of adipocyte-
specific genes such as fatty acid binding protein 4 (Fabp4), lipoprotein lipase (Lpl), glucose
transporter type 4 (Slc2a4), and adiponectin (Adipoq) [67]. Zhu et al. have found PBDE-209
led to histological impairment and lipid deposition, which were characterized by reduced
glycogen and high-density lipoprotein (HDL) levels and increased low-density lipopro-
tein (LDL), glucose, triglyceride (TG) levels, and total cholesterol (CHOL) in mice livers.
And besides they also found that LO2 cells’ survival declined after PBDE-209 treatment.
Further exploration revealed that PBDE-209 impaired glucose homeostasis via preventing
PI3K/AKT/Glucose transporter type 4 (GLUT4) signaling pathway and induced lipid
metabolic abnormality by triggering mTOR/PPARγ/retinoid X receptor α (RXRα) signal-
ing pathways [68,69]. The mTOR pathway activated by PBDE-209 is responsible for the
induction of PPARγ expression. Subsequently, PPARγ increases lipogenesis by combining
with RXRα to form dimers [68]. Intriguingly, PPARγ inhibitor antagonized the alterations
to the expression of p-mTOR, PPARγ, and RXRα and hindered TG accumulation provoked
by PBDE-209, suggesting PPARγ may participate in modulating glucolipid metabolism [68].
Rats orally administered with PBDE-209 have shown hyperglycemia as compared to control
rats. The reduced GSH and SOD implied that oxidative damage may contribute to PBDE-
209-induced hyperglycemia and the onset of diabetes [70]. PBDE-209 has been reported
to hinder glucose absorption, increase the levels of total cholesterol (TC), TG, aspartate
transaminase (AST), alanine aminotransferase (ALT), and MDA through insulin receptor
substrate-1 (IRS-1)/GLUT4 and IRS-1/PI3K/AKT/Glycogen synthase kinase 3β (GSK-3β)
pathways, eventually interfering with glucolipid metabolism in buffalo rat liver cells with
insulin resistance (IR-BRL) [71]. The mechanisms are shown in Figure 4.

2.3. Mitochondrial Damage

PBDE-47 increased miR-34a-5p level to trigger NAD+ insufficiency via targeting
nicotinamide phosphoribosyltransferase (NAMPT) expression. Subsequently, Sirtuin 3
(Sirt3)/forkhead box O-3 α (FOXO3α)/PTEN-induced putative kinase1 (PINK1) pathway-
associated mitophagy was inhibited, which results in mitochondrial dysfunction and
oxidative damages in mouse livers [72]. Fetal liver HSCs with PBDE-47 treatment showed
a loss of mitochondrial membrane potential (MMP) [44]. DNA damage and mitochondrial
impairment were detectable in cells after exposure to PBDE-47 and PBDE-32 [42]. Pazin
et al. have found that PBDE-47 or PBDE-99 can influence membrane potential, mitochon-
drial inner membrane, oxygen consumption, mitochondrial swelling, and calcium release,
which results in adenosine triphosphate (ATP) exhaustion [73]. As the energy-producing or-
ganelles inside cells, mitochondria are essential in maintaining energy supplies. In isolated
liver mitochondria, Pereira et al. observed that PBDE-153 can interact with the mitochon-
drial membrane and disrupt MMP, thus causing ATP deficiency [74]. Meanwhile, they have
also investigated the effects of PBDE-209 on rat liver mitochondria. The results showed
PBDE-209-induced matrix swelling and ATP depletion. This process may contribute to
reduced HepG2 cell viability [75]. The mechanisms are shown in Figure 5.
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Figure 4. PBDEs-induced toxicity is associated with disturbances in glucose and lipid metabolism.
PBDEs could increase glucose, total cholesterol (TC), triglyceride (TG), aspartate transaminase (ALT)
activity, and aspartate transaminase (AST) activity. The PI3K/protein kinase B (AKT)/Glucose
transporter type 4 (GLUT4) pathway is inhibited, and the mammalian target of rapamycin
(mTOR)/PPARγ/RXRα pathway is elevated. Arrows indicate up (red colour), increased; down
(green colour), decreased. The yellow highlighted text is an explanation of the figure.

Figure 5. PBDEs-induced toxicity is associated with mitochondria damage. PBDEs exposure caused
adenosine triphosphate (ATP) depletion, mitochondrial permeability transition (MPT) induction
and mitochondria dysfunction. Sirtuin 3 (Sirt3)/forkhead box O-3 α (FOXO3α)/PINK1 pathway is
suppressed by PBDE-209. Arrows indicate up (red colour), increased; down (green colour), decreased.
The yellow highlighted text is an explanation of the figure.
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2.4. Indirect Exposures

Indirect exposures occurred perinatally. For example, Dunnick et al. reported that
PBDE-47 induced centrilobular hypertrophy and fatty change in pup livers on postnatal day
(PND) 22. Liver transcriptomic changes were also measured, and the results showed that
cytochrome p450 transcripts, nuclear factor erythroid 2-related factor 2 (Nrf2) antioxidant
pathway transcripts and ATP-binding cassette (ABC) membrane transport transcripts were
upregulated. These alterations elicited lipids, oncogenes, and epigenetic changes, which
can lead to liver damage and tumorigenesis [76]. Perinatal exposure to PBDE-99 can
disrupt the nongenomic actions of thyroid hormone (TH), thereby reducing the activity of
the PI3K/AKT pathway in rat pup livers and affecting cell survival [77].

2.5. Combined Exposures

Combined exposures produced a series of public health issues. It has been reported
that PBDEs are tightly associated with the occurrence of obesity and NAFLD. Further
exploration revealed that the combination of PBDE-47 and HFD treatment reduced carnitine
palmitoyltransferase 1α (CPT1α) gene expression, inhibiting fatty acid oxidation. Besides,
the expression of microsomal TG transfer protein was inhibited by PBDE-47, which led
to dysfunction of TG metabolism [78]. Co-exposure of nanoplastics and PBDE-47 leads
to changed liver colour and atrophied liver in zebrafish larvae. The liver degeneration or
necrosis may be associated with reduced antioxidant glutathione peroxidase 1 (gpx1a) gene
and increased CYP1A1 [79]. Using high-throughput sequencing approaches, Li et al. have
proved that combined exposure of microplastics and PBDE-47 upregulated PPAR-related
genes and reduced IL-17-associated genes [18]. Chen et al. have found that combined
exposure to PBDE-209 and high fat resulted in elevated TG, MDA, and ROS levels in
HepG2 cells, suggesting an increased lipid accumulation and oxidative stress. Similar to
the in vitro results, mice receiving PBDE-209 and high fat showed elevated levels of sterol
regulatory element-binding protein 1 (SREBP-1), stearoyl-CoA desaturase 1, and fatty acid
synthase, thus promoting lipid deposition and NAFLD progression [19].

2.6. Others

Aside from those mentioned above, other effects and mechanisms of PBDEs on the
liver are also worth mentioning. Crump et al. used an in vitro experiment to study the
effects of PBDEs on cultured hepatocytes derived from embryonic chickens. They have
found PBDE-71 diminished transthyretin (TTR), thyroid hormone–responsive spot 14-α
(THRSP14-α), and liver fatty acid–binding protein (FABP) genes expression [80]. PBDE-71
can also induce hypomethylation at the T-Box Transcription Factor 3 (Tbx3) locus. As a
transcription factor important in liver tumorigenesis, Tbx3 hypomethylation in mouse
liver cells indicated that PBDE-71 may engage in liver carcinoma development [81]. To
gain knowledge about the toxicological mechanisms of PBDEs, primary Atlantic salmon
hepatocytes were exposed to these congeners alone or in combination (PBDE-47, PBDE-153
and PBDE-154). Levels of endoplasmic reticulum-responsive genes vitellogenin (VTG)
and zona pellucida 3 (ZP3) become elevated [82]. Early life exposure to PBDE-99 can
induce hepatic inflammation and increase acetate and succinate levels [83]. To elucidate
the PBDEs-gut microbiome interactions in modulating hepatic long noncoding RNAs
(lncRNAs) and protein-coding genes (PCGs), conventional and germ-free mice were orally
dosed with PBDE-47 or PBDE-99. LncRNAs increased the translational efficiency of PCGs,
and this process might be a compensatory mechanism in response to PBDEs exposure.
Pathway analysis of PCGs paired with lncRNAs displayed that PBDE-47 regulated nucleic
acid, retinol metabolism and circadian rhythm, whereas PBDE-99 regulated fatty acid
metabolism in conventional mice. Likewise, in germ-free mice, glutathione conjugation
and transcriptional regulation were regulated by PBDE-47. In addition, the xenobiotic-
metabolizing CYP3A genes and the fatty acid-metabolizing CYP4 genes were modulated
by PBDE-99 [84]. In Sueyoshi et al.’s study, human primary hepatocytes exposed to PBDE-
47 exhibited upregulated CYP2B6 expression at both gene and protein levels. Because
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CYP2B6 is a constitutive androstane receptor (CAR) target gene, the changed expression
pattern suggested a cause-and-effect relationship between PBDE-47 and CAR pathway [85].
It has been reported PBDEs modulated several processes linked to pregnane X receptor
(PXR) and CAR (i.e., protein ubiqutination, PPARα-RXRα activation) [86]. A further study
exploring potential underlying mechanisms revealed that PBDE-209 could incur liver
morphological alteration, cause oxidative stress, and subsequently reduce PXR, CAR, and
CYP3A expression [87]. The effects and mechanisms of liver toxicity induced by PBDEs are
shown in Table 1.

Table 1. Effects and mechanisms of liver toxicity induced by PBDEs.

Treatments Effects and Mechanisms References

PBDE-47 or -153, zebrafish CAT activity↑, SOD activity↑, Caspase-3↑, P53↑, Bcl-2↓ [26]
PBDE-47 or -32,

HepG2 cells, trout liver cells
Cell viability↓, ROS↑, apoptosis, DNA damage, mitochondrial

impairment [42,43,45]

PBDE-47, HSCs ROS↑, lipid peroxidation, MMP↓ [44]
PBDE-47, -99, -209, HepG2 cells ERα↑, PPARα↑, intracellular lipid accumulation [27]

PBDE-47, CAR and PXR null mice CYP2B6↑, CYP2B6↑ [85]
PBDE-47 or -99, isolated Wistar rat liver

mitochondria
oxygen consumption↓, mitochondrial swelling, calcium release,

ATP↓ [73]

PBDE-47, CD-1 mice, ICR mice, C57
BL/6 mice

Proteasome dysfunction, TRAF2/ASK1/JNK pathway↑, NAD+

depletion, Sirt1↓, inflammation↑, abnormal insulin secretion,
miR-34a-5p↑, Sirt3/FOXO3α/PINK1 pathway↓,

mitochondrial dysfunction

[1,46,47,57,72]

PBDE-99, SD rats, HepG2 cells SOD activity↑, CAT activity↓, GSSG↑, GSH↓, Caspase-3
activity↑, Caspase-9 activity↑, apoptosis [48,49]

PBE-99, C57BL/6 mice Inflammation, acetate↑, succinate↑ [83]

PBDE-209, C57BL/6 mice, ICR mice,
LO2 cells

ER stress↑, mitochondrial Ca2+ overload, apoptosis, ROS↑,
PI3K/AKT/GLUT4 pathway↓, mTOR/PPARγ/RXRα

pathway↑, Glucose↑, TG↑, HDL↓, liver and adipose
structures damage

[50,68,69]

PBDE-209, SD rats
Hyperglycemia, GSH↓, SOD activity↓, liver weight↑,

liver/body weight ratio↑, serum total bilirubin and indirect
bilirubin↑, oxidative stress, PXR↓, CAR↓, CYP3A↓

[70,87]

PBDE-209, IR-BRL cells TC↑, TG↑, AST activity↑, ALT activity↑, MDA↑,
IRS-1/PI3K/AKT/GSK-3β pathway↓, IRS-1/GLUT4↓ [71]

PBDE quinone, LO2 cells ER stress↑, autophagy-lysosomal system↑, ROS↑ [51]

PBDE-209, SD rats, LO2 cells
PRKACA-1 hypermethylation, TG↑, Glucose↑,

PI3K/AKT/GLUT4 pathway↓,
mTOR/PPARγ/RXRα pathway↑

[62,68]

PBDE-209, HepG2 cells, isolated
mitochondria

Mitochondrial Ca2+ overload, apoptosis, ROS↑, LDH leakage,
matrix swelling, ATP↓, cell viability↓ [52,53,75]

PBDE-209, Carassius auratus GR activity↑, GSH↓ [54]
PBDEs in e-waste site, kingfisher

(Alcedo atthis) MDA↑, ROS↑, CAT activity↓, SOD activity↓ [55]

PBDE-47, marine medaka (Oryzias
melastigma) PI3K pathway activity↑, MAPK pathway activity↑ [56]

PBDE-71, Wistar rats Glucose:insulin ratio↑ [59,60]

PBDE-71, C57BL/6 mice Glucose intolerance, fasting hyperglycemia, retarded glucose
clearance, diminished thermogenic brown adipose tissue mass [61]

PBDE-153, isolated rat liver mitochondria MMP↓, ATP↓, ROS↑ [74]
PBDE-47, Wistar Han rats, indirect

exposure
Centrilobular hypertrophy, fatty change, cytochrome p450↑,

Nrf2↑, lipid↑, oncogenes change, epigenetic change [76]

PBDE-99, SD rats, indirect exposure PIP3K/AKT pathway↓ [77]

PBDE-47 and high-fat diet, HepG2 cells,
C57BL/6J mice, combined exposure

CPT1α↓, fatty acid oxidation↓, microsomal triglyceride transfer
protein↓, sterol regulatory element-binding protein 1↑,
stearoyl-CoA desaturase 1↑, fatty acid synthase↑, lipid
deposition, NAFLD, MDA↑, ROS↑, lipid accumulation

[19,78]
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Table 1. Cont.

Treatments Effects and Mechanisms References

PBDE-47 and nanoplastics, zebrafish,
combined exposure

Darker/browner liver colour, atrophied liver, liver degeneration
or necrosis, gpx1a↓, CYP1A1↑, mortality↑, voluntary

movements↑, hatching rate↑, heart rate↓
[79]

PBDE-47 and microplastics, grouper
(Epinephelus moara), combined exposure PPAR-related genes↑, IL-17-related genes↓ [18]

PBDE-71, hepatocytes derived from
embryonic chickens TTR↓, THRSP14-α↓, FABP↓ [80]

PBDE-71, B6C3F1/N mice Tbx3 hypomethylation [81]
PBDE-47, PBDE-153 and PBDE-154 (alone

or in combination), primary Atlantic
salmon hepatocytes

VTG↑, ZP3↑ [82]

↑ represents upregulation, ↓ represents downregulation.

3. Kidney Toxicity

3.1. Oxidative Damage and Apoptosis

To illuminate the effects of PBDEs on the kidney, adult male rats received a gavage
dose of 1.2 mg/kg PBDE-99 for the study duration of 45 days. Decreased CAT activity and
increased GSSG/GSH ratio were detected after PBDE-99 exposure [48]. Human embryonic
kidney cells (HEK293) were exposed to PBDE-47, and a range of bioassays were performed.
For instance, PBDE-47 could change Bcl-2 family-encoding gene expression, including Bcl-
2-associated death promoter (Bad), Harakiri (Hrk) and Bcl-2. Besides, energy metabolism
disturbances characterized by altered ethanol, GSH, creatine, aspartate, uridine diphos-
phate glucose (UDP)-glucose and NAD+ were observed in PBDE-47 administration [88].
Ctenopharyngodon idellus kidney (CIK) cells treated with 100 μM PBDE-47 showed a drop
in antioxidant enzymes, such as CAT, SOD, GPx, and total antioxidant capacity (T-AOC).
A significant elevation in Bcl-2-associated X protein (Bax), Cytochrome c, and Caspase-3
was observed in PBDE-47 exposure compared to the normal group [89]. Consistently, a
pharmacological study has shown troxerutin prevented cytochrome c release, Caspase
activation, and poly ADP ribose polymerase (PARP) cleavage, raised antioxidative enzymes
and Nrf2 activities, thus relieving the toxic effects of PBDE-47 on kidney [90]. Analogously,
male broilers were exposed to PBDE-209 for 42 days. Swelling and granular degeneration
of the renal tubular epithelium and atrophy and necrosis of glomeruli were observed.
Additionally, oxidative stress indicators (MDA, GPx, GSH, SOD) were changed in the
kidney [91]. Furthermore, PBDE-209 could upregulate apoptosis-related protein expression,
including Bax/Bcl-2 ratio, p-extracellular signal-regulated kinase 1/2 (ERK1/2), p-JNK1/2,
Bax, Cytochrome c and Caspase-3 [91]. It was reported that PBDE-209 does not affect
kidney weight, while PBDE-209 supplement showed greater GSH and thiobarbituric acid
reactive substances (TBARS) and reduced total -SH groups, with consequent exacerbation
of nephrotoxicity [92]. The mechanisms are shown in Figures 2 and 3.

3.2. Combined Exposures

The combined exposure of PBDE-47 and cadmium (Cd) displayed cell rounding and
swelling, eventually resulting in renal tubular epithelial cell damage. Using human kidney
cells (HKC), Zhang et al. reported that intracellular LDH release, nucleotide-binding
oligomerization domain-like receptor protein 3 containing pyrin domain (NLRP3), cleaved
Caspase-1 and cleaved gasdermin D (GSDMD) were increased by co-exposure. Further,
it has been found that co-exposure to PBDE-47 and Cd could give rise to mitochondrial
dysfunction NLRP3 inflammasome and GSDMD-dependent pyroptosis. Interestingly,
NAC, a ROS scavenger, could mitigate the percentage of apoptotic and necrotic cells
inflicted by PBDE-47 and Cd [93].
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3.3. Others

PBDE-47 can inhibit mitochondrial fusion and fission, causing MMP decreases, ROS
overgeneration, ATP depletion, and cellular disintegration in porcine kidney-15 (PK15)
cell [94]. Deeper cells investigation revealed that underlying AMPK-Sirtuin 1 (Sirt1)-
Peroxisome proliferator-activated receptor γ coactivator 1-α (PGC-1α) signaling pathway
that might be driving the toxic changes in CIK cells subjected to PBDE-47 [89]. By using
the CIK cell line, Li et al. have found PBDE-47 can enhance cytoplasmic Ca2+ concentra-
tion, reduce miR-140-5p miRNA level, increase Toll-like Receptor 4 (TLR4) and nuclear
factor-κB (NF-κB) mediated inflammatory factors release. Intriguingly, melatonin could
protect against PBDE-47-triggered necroptosis via targeting miR-140-5p/TLR4/NF-κB
pathway [95]. Similarly, another study showed that PBDE-47-treated mice had elevated
ROS, NF-κB, urine albumin-to-creatinine ratio (ACR) and NLRP3 inflammasome level,
while troxerutin effectively improved kidney injury elicited by PBDE-47 through inhibiting
C-X-C chemokine ligand 12 receptor 4 (CXCR4)-TXNIP-NLRP3 inflammasome [96]. The
effects and mechanisms of kidney toxicity induced by PBDEs are shown in Table 2.

Table 2. Effects and mechanisms of kidney toxicity induced by PBDEs.

Treatments Effects and Mechanisms References

PBDE-99, SD rats CAT activity↓, GSSG/GSH↑ [48]

PBDE-47, HEK293 cells Cell apoptosis, ROS↑, Bax↑, Bad↑, Bcl-2↑, Hrk↑, ethanol↑, GSH↓,
creatine↓, aspartate↓, UDP-glucose↓, NAD+↓ [88]

PBDE-47, CIK cells CAT activity↓, SOD activity↓, GPx activity↓, T-AOC↓, Bax↑,
Cytochrome C↑, Caspase-3↑ [89]

PBDE-47, C57BL/6 mice
Cytochrome c release, caspase activation, PARP cleavage, CAT
activity↓, SOD activity↓, GPx activity↓, Nrf2 activity↓, ROS↑,

NF-κB↑, ACR↑, NLRP3↑, CXCR4/TXNIP/NLRP3↑
[90,96]

PBDE-209, broilers

Swelling and granular degeneration of the renal tubular epithelium,
atrophy and necrosis of glomeruli, MDA↑, GSH-Px↓, GSH↓, SOD↓,

Bax/Bcl-2 ratio↑, p-ERK1/2↑, p-JNK1/2↑, Bax↑, Cytochrome c↑,
Caspase-3↑

[91]

PBDE-209, Wistar rats GSH↑, TBARS↑, -SH↓ [92]

PBDE-47 and Cd, HKC cells,
combined exposure

Cell rounding, cell swelling, renal tubular epithelial cell damage,
LDH release, NLRP3↑, cleaved Caspase-1↑, cleaved GSDMD↑,

mitochondrial dysfunction, pyroptosis
[93]

PBDE-47, PK 15 cells Mitochondrial fusion and fission↓, MMP↓, ROS↑, ATP↓, cellular
disintegration [94]

PBDE-47, CIK cells AMPK-Sirt1-PGC-1α pathway↓, cytoplasmic Ca2+↑, miR-140-5p
miRNA↓, TLR4↑, NF-κB↑ [89,95]

↑ represents upregulation, ↓ represents downregulation.

4. Gut Toxicity

4.1. Oxidative Damage and Apoptosis

It was reported that the metabolic activities of bacteria in the guts were impacted by
PBDE-71, including functions related to energy metabolism, virulence, respiration, cell
division, cell signaling, and stress response. For instance, the disruption of epithelial
barrier integrity, inflammatory response and anti-oxidant capacity were observed in male
intestines after PBDE-71 exposure [97]. Li et al. chose the carcinoma colon-2 (Caco-2)
cells model to study the toxicity mechanism of PBDE-209. The mRNA expression of the
antioxidative defense factor, Nrf2, was suppressed by PBDE-209. Besides, Caco-2 cells
exposed to PBDE-209 exhibited a rise in Fas cell surface death receptor (FAS) and CYP1A1
mRNA expression levels [98]. The mechanisms are shown in Figures 2 and 3.

4.2. Intestinal Microbiome Disturbance

Maternal exposed to the PBDE-47 exhibited a distinctive profile in the microbiome
of the gut, compared with the control dam, as shown by a decrease in genera AF12 and
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Oscillospira and an increase in the Actinobacteria phylum and genera Blautia, Gemella and
Phascolarctobacterium. Serum metabolites strongly associated with the altered gut micro-
biota in response to PBDE-47 are likely involved in amino acid, lipid, carbohydrate, and
energy metabolism [99]. The gut microbiome plays a crucial role in toxicological responses.
The intestinal microbiome was required for PBDEs to reduce 3-indolepropionic acid. A
tryptophan metabolite has been demonstrated to have protective properties against in-
flammation and diabetes [100]. PBDE-47 continuously increased the fecal and liver bile
acids in the 12α hydroxylation pathway, corresponding to an up-regulation with the
hepatic bile acid-synthetic enzyme CYP7A1 and reduced farnesoid X receptor (FXR) signal-
ing [101]. Exposure of ICR mice to PBDE-47 in-utero and during lactation in its early life
may significantly cause a drop in microbial diversity and compositional alterations, and
when combined with a HFD, may further exacerbate the progression of obesity and other
metabolic illnesses [102,103]. Through the action of the gut microbiome, primary bile acids
are converted into more lipophilic secondary bile acids that may be taken up by the host
and interact with certain receptors. Both PBDE-47 and PBDE-99 decreased the proteins of
sodium taurocholate cotransporting polypeptide (Ntcp) and organic anion transporting
polypeptide 1b2 (Oatp1b2) in a gut microbiota-dependent manner [104]. Neonatal contact
with PBDE-99 caused a lasting rise in Akkermansia muciniphila throughout the intestine,
along with augmented hepatic levels of acetate and succinate, the expected byproducts of
A. muciniphila [83]. The mechanisms are shown in Figure 6. The effects and mechanisms of
gut toxicity induced by PBDEs are shown in Table 3.

Figure 6. PBDEs-induced toxicity is associated with intestinal microbiome disturbance. PBDEs
exposure increased Actinobacteria phylum, Blautia, Gemella, Phascolarctobacterium, Escherichia-Shigella,
Pseudomonas, Peptococcus, Actinobacteria, Firmicutes, and Akkermansia muciniphila. In addition, AF12,
Oscillospira, Ruminococcaceae, Moraxella, Bacteroidetes, and Proteobacteria are decreased by PBDEs
treatment. These intestinal microbiome changes may upregulate bile acids, taurine, choline, glycine,
succinate, and acetate levels. Arrows indicate up (red colour), increased; down (green colour),
decreased. The yellow highlighted text is an explanation of the figure.
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Table 3. Effects and mechanisms of gut toxicity induced by PBDEs.

Treatments Effects and Mechanisms References

PBDE-71, zebrafish Disruption of epithelial barrier integrity, inflammatory response, and
anti-oxidant capacity [97]

PBDE-209, Caco-2 cells Nrf2↓, FAS↑, CYP1A1↑ [98]

PBDE-47, SD rats AF12↓, Oscillospira↓, Actinobacteria phylum↑, Blautia↑, Gemella↑,
Phascolarctobacterium↑ [99]

PBDE-47, CD-1 mice, ICR mice
Fecal and liver bile acids↑, CYP7A1↑, FXR signaling↓, microbial

diversity↓, microbial compositional alterations, worsen HFD-induced
obesity, hepatic steatosis, and injury

[101–103]

PBDE-47 and -99, C57BL/6 mice Unconjugated bile acids↑, Akkermansia muciniphila↑, acetate↑,
succinate↑, Ntcp↓, Oatp1b2↓ [83,104]

↑ represents upregulation, ↓ represents downregulation.

5. Thyroid Toxicity

5.1. Hormonal Interferences

Huang et al. have demonstrated that even low concentrations of PBDEs could poten-
tially affect THs in the general population [105]. Research has sought to fill the void by
establishing a human PXR-overexpressing HepG2 cell model and a dual luciferase reporter
assay system to examine the involvement of hPXR in the modifications of thyroid receptor
(TR) expression caused by PBDE-47 in HepG2 cells. TR isoforms (TRα1 and TRβ1) were
both observed to decrease in both mRNA and protein expression when the concentration
of PBDE-47 was increased in HepG2-pCI-hPXR-neo cells, which may provide more ev-
idence for the toxicological mechanisms of the disruption of the TH in the presence of
PBDE-47 [106]. Consistently, Macaulay et al. have demonstrated that PBDE-47 negatively
affected the early development of the zebrafish by reducing the TR [107]. Intriguingly, in
larvae, PBDEs (PBDE-47 and PBDE-209) significantly stimulated several genes, which in-
cluded TRα and TRβ, thyroglobulin (TG), thyroid peroxidase, TTR, corticotrophin-releasing
hormone (CRH), sodium iodide symporter (NIS), thyronine deiodinase (Dio1 and Dio2),
uridinediphosphate-glucuronosyl-transferase (UGT1ab) and thyroid stimulating hormone
(TSH) [108,109]. Lower plasma T4 and liver vitamin A concentrations were linked to PBDE-
71 exposure [110]. Concentrations of total and free total thyroxine (FT4) were significantly
decreased by PBDE-71 in a dose-dependent manner [111]. A positive link between TSH
and almost all PBDE congeners was identified, while an inverse relationship between
PBDE-154 and free triiodothyronine (FT3) and FT4 was found [112]. Conversely, lower TSH
levels have been linked to exposure to PBDEs in pregnant women [2,113]. Interestingly,
there was a significant positive relationship between serum PBDE-209 levels and total
thyroxine (TT4), as well as a marginal positive relationship with total triiodothyronine
(TT3), in all occupational workers after accounting for gender, age, body mass index (BMI),
and duration of occupational exposure [114]. Exposure to PBDE-209 changed the thyroid
gland’s structure [115]. Hydroxylated PBDEs (OH-PBDEs) have a close structural affinity
to TH, and have been demonstrated to interact antagonistically with human TTR, a T4
transport protein [116]. Consistently, changes in plasma FT4 levels in rainbow trout plasma,
potentially caused by the metabolic activity of PBDE 209, might be due to the competi-
tion of OH-PBDEs for binding sites on TTR [117]. Analogously, Ibhazehiebo et al. have
reported that PBDEs diminished TR-mediated gene expression by partially separating TR
from TH response element (TRE) through the DNA binding domain (DBD) [118]. Fish ex-
posed to PBDE-209 exhibited a drop in circulating TT4 and TT3 compared to controls [119].
CAR/PXR pathways may be the underlying cause of the decrease in TT4 following PBDE-
47 exposure, which is evident in the elevated UGT activity and inducibility of genes in the
CAR/PXR pathway, namely CYP2B10, Ugt1a1, Ugt1a7, Ugt2b5 and multidrug resistance
protein-associated protein (Mrp3) [120,121]. The mechanisms are shown in Figure 7.
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Figure 7. PBDEs-induced toxicity is associated with thyroid dysfunction. PBDEs exposure causes
thyroid receptor (TR) dissociation from the TH response element (TRE), and the subsequently related
gene expression may be affected. Constitutive androstane receptor (CAR)/pregnane X receptor (PXR)
pathway may also be activated by PBDEs. Arrows indicate up (red colour), increased; down (green
colour), decreased; up or down, increased or decreased (opposite research results exist). The yellow
highlighted text is an explanation of the figure.

5.2. Oxidative Damage and Apoptosis

PBDE-47 augmented apoptosis in thyroid tissue, as revealed by Caspase-3 activation,
PARP cleavage and DNA fragmentation. Additionally, the increased glucose-regulated pro-
tein 78 (GRP78), activating transcription factor 4 (ATF4), Caspase-12, C/EBP homologous
protein (CHOP) and sequestome 1 (p62) accumulation were observed. These results indi-
cate that excessive ER stress, defective autophagy and the resultant apoptosis are thought
to be involved in maternal thyroid harm after perigestational PBDE-47 exposure [122–124].
Besides, further studies showed that oxidative damage and hypothalamic-pituitary-thyroid
(HPT) axis-related gene alterations may be the underlying mechanisms involved in the
toxicity of PBDEs (PBDE-47, PBDE-71, PBDE-99, PBDE-209) [125–134]. The mechanisms
are shown in Figures 2 and 3.

5.3. Indirect Exposures

There was a correlation between elevated levels of maternal serum PBDEs 28 and 47
and increased maternal serum concentrations of T4 and T3 during the early second trimester
of pregnancy [135]. Conversely, several studies revealed a negative association between
hormones (T4 and T3) and PBDEs [136–140]. Positive associations between PBDEs and THs
were found in the high-exposed population, while negative associations were reported in
the low-exposed populations [141,142]. Discrepancies in the direction of correlations have
been noted, and the potential explanations could include the low-dose and nonmonotonic
effects of endocrine-disrupting chemicals [143]. The treatment of mothers with PBDE-71
affects the first filial generation (F1) females, as shown by a decrease in body weight and
elevated serum T3 and T4 levels. In addition, thyroid gland weight and ovarian osteopontin
mRNA were increased at five months of age [144]. Among infants delivered naturally
and unassisted via vaginal delivery, prenatal polychlorinated biphenyls (PCBs) and PBDE
exposures were associated with lower TT4 and FT4 levels [145].
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5.4. Combined Exposures

Results showed that the co-exposition of polystyrene nanoplastics (PS-NPs) and the
PBDE-47 aggravated the deformity in pericardial edema, yolk sac edema and curvature
of the tail in the larvae of zebrafish. Interestingly, an investigation of the HPT axis-related
genes showed that the expressions of TSHβ, TG, Dio2 and TRβ were increased more
prominently when both PBDE-47 and NPs were present, compared to PBDE-47 single
exposure [146].

5.5. Others

Expression of Dio3 in placental cells is disrupted by low-dose PBDE-209, resulting in
interference of TH. Modifications in the miRNA expression pattern of the miR379/656 clus-
ter in the delta-like homolog 1 (Dlk1)-Dio3 imprinting domain, particularly of miR409-3p
and miR668-3p, and/or changes in the DNA methylation of the cells, specifically the
intergenic-differentially methylated regions (IG-DMR) and maternally expressed gene
3-DMR (MEG3-DMR) in the Dlk1-Dio3 imprinting region, may be responsible for the dis-
turbance in Dio3 expression brought about by PBDE-209 [147]. The effects and mechanisms
of thyroid toxicity induced by PBDEs are shown in Table 4.

Table 4. Effects and mechanisms of thyroid toxicity induced by PBDEs.

Treatments Effects and Mechanisms References

PBDE-47, HepG2 cells TRα1↓, TRα1↓, TRβ1↓, TRβ1↓ [106]

PBDE-47, zebrafish TR↓, head trunk angle↓, otic vesicle length↑, eye pigmentation↓,
developmental delays [107]

PBDE-47, zebrafish TTR↓, TG↓, TRβ↓, TSHβ↓, NIS↑, TPO↑, TRα↑ [108]
PBDE-209, zebrafish CRH↑, TSHβ↑, NIS↑, TG↑, Dio1↑, Dio2↑, TRα↑, TRβ↑, TTR↓, UGT1ab↓ [109]

PBDE-71, SD rats Plasma T4↓, liver vitamin A↓, body weight↓, T3 (F1 Female)↑, T4 (F1
Female)↑, thyroid gland weight↑, osteopontin↑ [110,144]

PBDE-71, C57BL/6 mice TT4↓, FT4↓ [111]
PBDE-209, workers Positive relationship between serum PBDE-209 levels and total TH [114]

PBDE-209, rainbow trout OH-BDE metabolites negatively correlated with the plasma
FT4 levels [117]

PBDE-209, fathead minnows TT4↓, TT3↓ [119]
PBDE-47, C57 BL/6 mice TT4↓, Ugt1a1↑, Ugt1a7↑, Ugt2b5↑, CYP2B10↑, Mrp3↑ [121]

PBDE-47, SD rats
Apoptosis, Caspase-3 activation, PARP cleavage, DNA

fragmentation↑, GRP78↑, ATF4↑, CHOP↑, p62 accumulation, ER
stress, defective autophagy

[122–124]

PBDE-28 or -47, human TT4↑, FT4↑, TT3↑, FT3↑ [135]
PBDEs, human Placental T4↓ (PBDE-99, or -100) [136]

PBDEs, human TT4↓ (PBDE-99, -154 or -196), TT3↓ (PBDE-47, -99, -100, -197, -203
or -207) [137]

PBDEs, human TT3↑ (PBDE-47, -66 or 85), TT4↑ (PBDE-66, -85, 153 or -154), TT4↓
(PBDE-209) [138]

PBDEs, human TT4↓ (PBDE-28, -47, -99, -100 or -153) [140]
PBDEs, human TT3↓ (PBDE-154), FT3↓ (PBDE-153, -183), T4/T3 ratio↑ (PBDE-100) [142]

PBDE-47 and PS-NPs, zebrafish,
combined exposure

Deformity in pericardial edema, yolk sac edema, the curvature of the
tail, TSHβ↑, TG↑, Dio2↑, TRβ↑ [146]

PBDE-209, JEG-3 cells Dio3↓, Dio3↓, has-miR-668-3p↓, has-miR409-3p↓ [147]

↑ represents upregulation, ↓ represents downregulation.

6. Embryotoxicity

6.1. Oxidative Damage and Apoptosis

In vivo and in vitro models have shown that PBDE-47 could activate the MAPK sig-
naling pathway, thus changing impaired placental physiological function [148]. Embryonic
development abnormalities in zebrafish exposed to PBDE-47 could be improved by ROS
scavenging and JNK inhibition. Therefore, deficiencies in mitochondrial biogenesis and
mitochondrial dynamics, which may lead to ROS/JNK activation, could be the reason for
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PBDE-47-induced developmental toxicity [149,150]. Meanwhile, supplementation with the
antioxidant NAC could partly reverse the ROS increase and octamer-binding transcription
factor 4 (OCT4) downregulation caused by PBDE-209 exposure [151]. It was reported that
PBDE exposure caused a decrease in the expression of pluripotent genes such as OCT4, SRY-
box transcription factor 2 (SOX2) and Nanog homeobox (NANOG) and prompted apoptosis
in embryonic stem cells (ESCs) [151,152]. The mechanisms are shown in Figures 2 and 3.

6.2. Combined Exposures

Exposure to multiple chemicals is a common occurrence in the environment. For
example, embryos temporarily postpone hatching when encountering PBDE-209 and
nSiO2 at 60 h post fertilization. PBDE-209-nano-SiO2 co-exposure showed a decreased
heartbeat and increased arrhythmia in zebrafish larvae compared to individual PBDE-209
treatments [153].

6.3. Others

Embryonic developmental abnormalities of SD rats (e.g., soft tissue syndactyly or mal-
position of the distal phalanges and decreased ossification of the sixth sternebra), zebrafish
(e.g., embryo yolk sac, pericardial edema, spine deformation, neurobehavioral abnormal-
ities and blood vessels damage) and kestrels (e.g., shorter humerus length and reduced
total thyroid weight) arise as a result of being exposed to PBDEs [154–158]. The Dio3
is of great significance in maintaining the fetal thyroid equilibrium. PBDE-47 correlated
with an increase in placental Dio3 methylation, whereas this effect was only observed in
female infants [159]. Epidemiological studies have indicated that PBDE-47 can bring about
adverse pregnancy results. PBDE-47-treated mice displayed decreased vascular endothe-
lial growth factor-A (VEGF-A) protein expression, indicating that PBDE-47 may disrupt
placental angiogenesis [160]. Transcriptomic analysis of the PBDE-47 effect suggested
concentration-dependent changes in the expression of genes, including stress pathways
such as inflammation and metabolism of lipids/cholesterol, as well a process underlying
the fate of trophocytes, such as differentiation, migration, and morphology of the vascular
system [161]. Mediation analyses revealed that PBDEs exposure could potentially impact
fetal growth through insulin-like growth factor 2 (IGF2) methylation [162]. Chi et al.’s
multivariate statistical analysis revealed a marked change in the metabolic profile result-
ing from PBDE-209 embryotoxicity in maternal serum. Administration of PBDE-209 at a
dosage of 2500 mg/kg caused considerable disturbances to thyroid hormone metabolism,
the tricarboxylic acid cycle (TCA) cycle, and lipid metabolism in maternal mice, leading
to substantial inhibition of fetal growth and development [163]. Consistently, Du et al.’s
study demonstrated that prenatal PBDE-209 induces upregulation of endothelin-1 (ET-1)
and inducible nitric oxide synthase (iNOS) and downregulation of endothelial nitric oxide
synthase (eNOS) in the placenta, which in turn is associated with reduced birth weight
of the newborns [164]. Gestational exposure to PBDE-209 can reduce placental weight,
impede placental vascular growth, and cause cell death. Mechanically, gestational exposure
to PBDE-209 augmented the expression of GRP78 and activated pancreatic endoplasmic
reticulum kinase (PERK) signaling [165]. The exposure to PBDE-47, PBDE-99 and PBDE-209
at realistic concentrations led to lethal and sublethal changes and impaired gene expression
involved in TH homeostasis, including TSHβ, TTR, thyroxine-binding globulin (Tbg) and
Dio1, leading to an abnormal development of zebrafish embryos [166]. The effects and
mechanisms of embryotoxicity induced by PBDEs are shown in Table 5.
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Table 5. Effects and mechanisms of embryotoxicity induced by PBDEs.

Treatments Effects and Mechanisms References

PBDE-47, ICR mice
MAPK signaling↑, changed placental function, low birth weight,

stillbirth rate↑, plasma testosterone↓, progesterone↓, growth
hormone↓, compromised fetal development

[148]

PBDE-47, zebrafish Embryonic development abnormalities, ROS↑, JNK activity↑ [149,150]
PBDE-209 or -47, hESCs, mESCs ROS↑, OCT4↓, apoptosis, OCT4↓, SOX2↓, NANOG↓ [151,152]
PBDE-209 and nSiO2, zebrafish,

combined exposure Postpone hatching, heartbeat↓, arrhythmia↑, malformation↑ [153]

PBDEs, SD rats, zebrafish, common
terns, kestrels

Soft tissue syndactyly or malposition of the distal phalanges and
decreased ossification of the sixth sternebra (rats), embryo yolk sac,

pericardial edema, spine deformation, neurobehavioral abnormalities,
and blood vessels damage (zebrafish), shorter humerus length and

reduced total thyroid weight (kestrels)

[154–158]

PBDE-47, human Placental Dio3 methylation (female infants)↑ [159]
PBDE-47, ICR mice Adverse pregnancy results, VEGF-A↓, placental angiogenesis↓ [160]

PBDE-47, CTB Cell viability↓, Global CpG methylation↑ [161]

PBDEs, human Fetal growth retardation (PBDE-206, PBDE-17-190, PBDE-196-209),
aberrant methylation of HSD11B2 and IGF2 [162]

PBDE-209, C57 mice Fetal growth and development↓, TCA cycle↓, accelerated
lipolysis, TH↓ [163]

PBDE-209, SD rats ET-1↑, iNOS↑, eNOS↓, birth weight of the newborns↓ [164]

PBDE-209, C57BL/6 mice Placental vascular growth↓, placental cell death, GRP78↑, PERK
signaling↑ [165]

PBDEs, zebrafish

Yolk and pericardial edema, tail, and head malformation, reduced
and extremely reduced heartbeat rate, blood stasis and spinal

curvature, cardiac edema, damage of eye structure and hydrocephaly,
liver vacuolization (PBDE-47, -99, -209), TSHβ↑, TTR↑, Tbg↑, Dio1↑

(PBDE-47, -99), Dio1↑ (PBDE-209)

[166]

↑ represents upregulation, ↓ represents downregulation.

7. Reproductive Toxicity

7.1. Oxidative Damage and Apoptosis

Oxidative stress and reduced testosterone levels induced by PBDE-209 can cause DNA
damage and activate the ataxia-telangiectasia-mutated (ATM)/checkpoint kinases 2 (Chk2),
ataxia telangiectasia and Rad3-related (ATR)/checkpoint kinases 1 (Chk1) and DNA-
dependent protein kinase catalytic subunit (DNA-PKcs)/X-ray repair cross-complementing
protein 4 (XRCC4)/DNA ligase IV pathways [167,168]. Furthermore, PBDE-209 may dam-
age the mitochondrial function by reducing the length of the telomeres, decreasing the
activity of telomerase, and activating PPARγ/RXRα/sterol regulatory element-binding
protein cleavage-activating protein (SCAP)/SREBP-1 pathway, resulting in cell apopto-
sis [169,170]. Following maternal exposure to PBDE-209 during lactation, prepubertal mice
offspring exhibited impaired germ cell proliferation, affected steroidogenesis and increased
germ cell apoptosis, alongside modifications in the expression of various cell survival and
apoptotic markers and a reduction in the expression of gap junction connexin 43 (cx43)
and cyclin-dependent kinase inhibitor 1B (p27Kip1) [171–175]. Similarly, a substantial drop
in the net reproductive rate and intrinsic increase rate transpired when the concentration
of PBDE-47 was high. PBDE-47 had a strongly detrimental effect on the ultrastructure of
the ovary. Further studies showed that PBDE-47’s reproductive toxicity was attributed to
the ROS-mediated pathway [176,177]. PBDE-47 induced mitochondrial disruption (e.g.,
aberrant distribution and diminished MMP), which can induce apoptosis of early leptotene
spermatocytes and affect the maturation of oocytes [178,179]. GC2 (immortalized mouse
spermatocyte) exposed to PBDE-47 have reduced cell viability, and condensation of nu-
clear and vacuolated mitochondria. Meanwhile, the deletion of ATP synthase subunit
β (Atp5b) or ubiquinol-cytochrome-c reductase complex core protein 1 (Uqcrc1) led to a
decrease in MMP and triggered apoptosis in GC2. This may be part of the underlying
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mechanism of the association between PBDE-47 and spermatocytes [180]. PBDE-99 could
induce Leydig cell apoptosis via increasing ROS, triggering the ERK1/2 pathway, and
inhibiting the ubiquitination degradation pathway [181]. PBDEs (PBDE-47, PBDE-99 and
PBDE-100) are capable of initiating apoptosis, both through the extrinsic and intrinsic
pathways, upon extended exposure periods; this can cause early malfunction of the corpus
luteum [182]. PBDE-3 decreased serum testosterone levels and Leydig cell size by decreas-
ing extracellular signal-regulated kinase 1/2 (ERK1/2), AKT, and AMPK phosphorylation
and elevating ROS production [183,184]. Caenorhabditis elegans (worm) that underwent
PBDEs (PBDE-3 and PBDE-47) treatment showed reduced life spans, impeded fecundity,
and delayed egg-laying. Most interestingly, mutants of C. elegans p53-like protein (cep-1),
DNA damage checkpoint proteins (hus-1) and mitogen-activated protein kinase (mek-1 and
sek-1) rescinded the germ cell apoptosis induced by PBDEs [185,186]. The mechanisms are
shown in Figures 2 and 3.

7.2. Epigenetic Inheritance

Moreover, the effects on reproductive health may even be transgenerational. For
instance, PBDE-47 treatment displayed that protamine and transition protein genes were,
on average, reduced by four-fold in the testes, suggesting that histone-protamine exchange
could be disrupted during spermatogenesis, triggering an aberrant sperm epigenome [187].
According to Suvorov et al., sperm samples collected on PND 65 and PND 120 yielded
21 DMRs and 9 DMRs, respectively [188]. Following exposure to PBDE-209, there was a
decrease in anogenital distance and the percentage of sperm with normal morphology. Fur-
ther exploration revealed that, in contrast to the control group, the PBDE-209 group had 215
genes exhibiting hyper-methylation and 83 genes displaying hypo-methylation [189]. The
GC-2spd mouse spermatocyte line was utilized to analyze the poisonous effects of PBDE-
209 on methylation and spermatogenesis. The results indicated that PBDE-209-induced
spermatogenesis damage was due to its disturbance of SET domain-containing protein
8 (SETD8)/Histone H4K20 monomethylation (H4K20me1)-linked histone methylation,
inhibition of meiosis initiation and cell cycle progression, which in turn caused long-term
male reproductive toxicity [190,191].

7.3. Mitochondrial Damage

PBDEs showed a negative relationship with semen mobility and sperm quality [192–195].
For example, PBDE-47 likely interferes with the ER-Nrf1-mitochondrial transcription factor
A (Tfam)-mitochondria pathway, thereby reducing mitochondrial function, impairing
spermatogenesis, and damaging germ cells [196]. Shan et al.’s findings unveiled that
PBDE-47 impaired mitochondrial function and cholesterol transport, ultimately leading
to a reduction in progesterone synthesis [197]. After administering a small amount of
PBDE-99, Talsness et al. noticed adverse ultrastructural changes in the mitochondria of the
F1 female offspring’s ovary [198]. The mechanisms are shown in Figure 5.

7.4. Combined Exposures

In male rats treated with PBDE 47, HFD exacerbated the damage to the seminiferous
epithelia and decreased testosterone levels, which decreased the number of spermato-
zoa. Further mechanistic exploration revealed HFD triggered PBDE47-induced dosage-
sensitive sex reversal adrenal hypoplasia congenital critical region on X chromosome gene
1 (DAX-1) expression and lowered steroidogenic acute regulatory protein (StAR) and
3β-hydroxysteroid dehydrogenase (3β-HSD) levels in rat testicular interstitials [199].

7.5. Others

The effect of PBDE-209 on blood-testis barrier ultrastructure was destructive, with
the destruction of tight junctions, ectoplasmic specialization structures with broken tight
junctions, and a lack of actin microfilaments [200]. Moreover, the elevation of estrogen
receptor signaling caused by PBDE-209 leads to disruption of the blood testis barrier in
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male mice of the F1 generation [201]. PBDEs disrupted gonadal development and had a re-
duced fecundity [202–206]. In adult mice, PBDE-209 treatment caused a diminished sperm
quality and arrested meiotic prophase I at the early-pachytene stage during spermatoge-
nesis [207–209]. Postnatal exposure to PBDE-209 at a low dose from day one to day five
results in lower testosterone and androgen receptor (Ar) and TRα transcripts in Sertoli cells,
along with an imbalance in the TRα splicing variants ratio, causing a decreased testicular
size and hindered spermatogenesis [210]. Analysis of 42 differentially expressed proteins
in the testis revealed that downregulating histone variants and parvalbumins associated
with PBDE-47 may impede spermatogenesis and lead to infertility in fishes. The increase
in VTGs and apolipoprotein A–I suggested that PBDE-47 acts like a mimicker of estrogen
and causes reproductive dysfunction [211,212]. At higher concentrations, PBDE-47 caused
prolonged hyperactivation of autophagy, which ultimately caused ovary damage [213]. In
addition, fish exposed to PBDE-47 during early life stages had reduced clutch size and
lower fecundity than the control group [214]. Interestingly, PBDE-71 significantly increased
malformation and the percentage of males in the F1 generation and reduced frequencies
of male courtship behaviors [215,216]. Arowolo et al. indicated that PBDEs and their
metabolites, when present at environmental levels, may impact male reproductive health
through AR antagonism, testosterone signaling, cAMP production, mechanistic target
of rapamycin complex one (mTORC1) signaling and TH transport [217]. In addition, it
appears that PBDE-47 has the potential to enhance the sensitivity of adult Leydig cells to
cAMP when synthesizing androgen [218]. The effects and mechanisms of reproductive
toxicity induced by PBDEs are shown in Table 6.

Table 6. Effects and mechanisms of reproductive toxicity induced by PBDEs.

Treatments Effects and Mechanisms References

PBDE-209, ICR mice, CD-1 mice, Parkes
strain mice, Balb/c mice, Sertoli cells

Oxidative stress, testosterone↓, DNA damage, ATM/Chk2↑,
ATR/Chk1↑, DNA-PKcs/XRCC4/DNA ligase IV

pathways↑, impaired germ cell proliferation, germ cell
apoptosis↑, cx43↓, p27Kip1↓, ER signaling↑, impaired
blood-testis barrier, sperm quality↓, arrested meiotic

prophase I, testicular size↓, spermatogenesis↓

[167,168,171–
175,201,207–210]

PBDE-209, SD rats

Mitochondrial function↓, telomeres length↓, telomerase
activity↓, PPARγ/RXRα/SCAP/SREBP-1↑, cell apoptosis,

anogenital distance↓, abnormal sperm morphology,
blood-testis barrier ultrastructure damage, tight junctions
damage, ectoplasmic specialization structures with broken

tight junctions, actin microfilaments↓

[169,170,189,200]

PBDE-47, Brachionus plicatilis, SD rats Reproductive rate↓, intrinsic increase rate↓, impaired
ultrastructure of the ovary, ROS↑ [176,177]

PBDE-47, marine medaka (Oryzias
melastigma), manila clam
Ruditapes philippinarum

Histone variants↓, parvalbumins↓, spermatogenesis↓,
infertility, vitellogenins↑, apolipoprotein A-I↑,

reproductive dysfunction
[211,212]

PBDE-47, mice, SD rats Mitochondrial disruption, aberrant distribution,
MMP↓, apoptosis [178,179]

PBDE-47, Wistar rats, SD rats

Histone-protamine exchange↓, aberrant sperm epigenome,
DMRs↑, autophagy↑, ovary damage, testosterone signaling

disruption, AR antagonism, mTORC1 signaling↑,
replacement of thyroid hormone from transporting

proteins, cAMP↑

[187,188,213,217]

PBDE-47, GC2 cells, ICR mice

Cell viability↓, condensation of nuclear, vacuolated
mitochondria, Atp5b↓, Uqcrc↓, MMP↓, apoptosis,

ER-Nrf1-Tfam-mitochondria pathway disturbance,
mitochondria function↓, spermatogenesis↓, germ

cells damage

[180,196]
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Table 6. Cont.

Treatments Effects and Mechanisms References

PBDE-47, Fathead Minnows
(Pimephales promelas) Clutch size↓, fecundity↓ [214]

PBDE-47, BeWo Cells Mitochondria function↓, cholesterol transport↓,
progesterone synthesis↓ [197]

PBDE-47, ICR mice, GC-2 cells
Spermatogenesis damage, SETD8/H4K20me1-linked

histone methylation disturbance, meiosis initiation↓, cell
cycle progression↓, male reproductive toxicity

[190,191]

PBDE-71, zebrafish, male American
kestrels (Falco sparverius)

Malformation, percentage of male↑, male
courtship behaviors↓ [215,216]

PBDE-99, Leydig cells ROS↑, ERK1/2 pathway↑, ubiquitination degradation
pathway↓, apoptosis [181]

PBDE-99, Wistar rats Adverse ultrastructural changes of mitochondria [198]

PBDEs, Luteal cells Malfunction of the corpus luteum, initiating apoptosis
(PBDE-47, -99, -100) [182]

PBDE-3, SD rats ROS↑, serum testosterone↓, Leydig cell size↓, p-ERK1/2↓,
p-AKT↓, p-AMPK↓ [183,184]

PBDE-3 or -47, Caenorhabditis elegans Life spans↓, fecundity↓, delayed egg-laying, ROS↑,
DNA damage [185,186]

PBDE-47 and high-fat diet, SD rats,
combined exposure

Exacerbated the damage to the seminiferous epithelia,
testosterone↓, spermatozoa↓, DAX-1↑, StAR↓, 3β-HSD↓ [199]

↑ represents upregulation, ↓ represents downregulation.

8. Neurotoxicity

8.1. Apoptosis

A concentration-dependent increase in the protein expression of Fas and Fas-associated
death domain (FADD), as well as activation of Caspases (Caspase-8 and Caspase-3), was
detected, implying involvement of the death-receptor pathway in the PBDE-209-induced
Neuro-2a cell apoptosis [219]. By increasingthe expression of phosphodiesterases (PDEs)
that modify intracellular cyclic guanosine monophosphate (cGMP) levels and reducing
the Bcl-2/Bax ratio, apoptosis induction was induced by PBDE-209 [220]. The autophagy
proteins, such as microtubule-associated protein-I light chain 3 (LC3)-II and Beclin-1, and
apoptosis proteins, including Bcl-2, Caspase-3 and PARP, were changed after PBDE-209
administration. This modulation could reduce the learning and memory capabilities of
the offspring [221]. Adult rats exposed to PBDE-153 exhibited impaired learning ability,
reduced spontaneous activity and neuron apoptosis [222]. Costa et al. have found that
antagonists of glutamate ionotropic receptors reduced the toxicity of PBDE-47 in mouse
cerebellar neurons, suggesting PBDE-47 may heighten extracellular glutamate, which
then stimulates ionotropic glutamate receptors and brings about increased calcium levels,
oxidative stress, and finally, cell death [223,224]. PBDE-47 has increased Caspase-3, Caspase-
12 and cytochrome c levels in the rats’ hippocampus [225]. Cytotoxic evaluation has
indicated that PBDE-99 exhibits cytotoxicity against rat cerebellar granule neurons (CGNs).
Besides, a decrease in the expression of brain-derived neurotrophic factor (BDNF) and Bcl-2
was also detected after PBDE-99 treatment [226]. The mechanisms are shown in Figure 3.

8.2. Disease Induction

Consistent with the cytotoxicity reported above, perinatal exposure to PBDE-99
through gestation and ingestion of maternal breast milk may lead to learning difficul-
ties, BDNF downregulation and free radicals’ production in the offspring of rats [227,228].
Similarly, it was reported that PBDE-47 could reduce BDNF production and increase the
risk of post-partum depression [229]. Besides, PBDEs (PBDE-209, PBDE-206 and PBDE-203)
were shown to reduce BDNF concentration and increase calcium/calmodulin-dependent
protein kinase II (CaMKII) levels in mice hippocampus [230,231]. There is a significant
correlation between PBDE-47 and PBDE-99 exposures and depression symptoms among the
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pregnant cohort [232]. Perinatal exposure to PBDE-47 has been found to decrease the length
of the dendrites, the complexity of the branching patterns, and the density of the spines in
the prefrontal cortex of offspring. These effects may contribute to autistic behavior [233].
Wang et al. have found that PBDE-71 leads to a significant decrease in serotonin levels and
levels of tyrosine hydroxylase and dopamine transporter proteins [234,235]. 6-OH-PBDE-47
is a highly metabolized form of PBDE-47 in vivo. 6-OH-PBDE-47 administration could
induce motor defect by impairing the dopaminergic system and promote α-synuclein
aggregation by inhibiting ubiquitination and autophagy, indicating that the presence of
6-OH-PBDE-47 in the brain could pose a risk for developing Parkinson’s disease (PD) [236].

8.3. Intestinal Microbiome Disturbance

PBDE-47 exposure during gestational and lactational periods displayed hyperactivity
and anxiety-like behavior. Furthermore, 16S rRNA sequencing of fecal samples revealed
a distinctive community composition of gut microbes after exposure to PBDE-47, which
manifestes as a decrease in genera Ruminococcaceae and Moraxella, and an increase in genera
Escherichia-Shigella, Pseudomonas and Peptococcus. Qiu et al. have discovered that the
changes in the intestinal flora are involved in the alterations in serum metabolite levels,
and both are correlated with locomotion hyperactivity and anxiety [237]. The mechanisms
are shown in Figure 6.

8.4. Combined Exposures

When exposed together, PS-NPs and PBDE-47 coalesced into bigger particles. Neu-
rodevelopmental toxicity (e.g., accelerated voluntary movements) in zebrafish larvae was
heightened with concurrent exposure to PS-NPs and PBDE-47. Besides, the expression of
the acetylcholinesterase (ache) and the cholinergic receptor nicotinic 7 α subunit (chrn7α)
genes, which are associated with the development of neurocentral cells, was significantly
decreased, mainly in the co-exposure group [79]. Analogously, the chemical mixtures
(PBDE-47, 6-OH-PBDE-47 and 6-MeO-PBDE-47) caused a decrease in AChE activity, im-
plying the potential neurological responses of such treatment [238]. Generally, the brain
obtains free fatty acids from the systemic circulation and further alters them into structural
and signaling lipids to guarantee proper neurotransmission [239]. A mixture of PCBs
and PBDEs (MIX) caused neurobehavioral defects, and further studies observed impaired
mitochondrial function and lipid metabolism regulation [239,240]. Pregnant C57BL/6J
female mice were exposed to PBDE-209/Pb mixture. The male offspring have increased
pro-inflammation cytokines, such as tumor necrosis factor α (TNFα), interferon γ (IFNγ),
interleukin 4 (IL-4), interleukin 6 (IL-6), interleukin 10 (IL-10) and interleukin 17 A (IL-17 A)
in the serum. Moreover, the male offspring displayed decreased neuronal cells in the cornu
ammonis 1 (CA1) and CA3 subregions of the hippocampus and impaired learning behav-
ior [241]. Meanwhile, ROS scavenger NAC can reduce locomotor dysfunction induced by
co-exposure (PBDE-209 and Pb), suggesting ROS may be a major factor in eliciting devel-
opmental neurotoxicity [242]. Analysis of chemicals revealed that PBDE-209 was taken
up and processed by zebrafish larvae, and the presence of titanium dioxide nanoparticles
(nano-TiO2) increased the rate of PBDE-209 absorption. The joint presence of nano-TiO2 and
PBDE-209 decreased locomotion activity and downregulation of specific genes and proteins
related to the central nervous system of developing zebrafish larvae [243]. PBDE-99, in
combination with methylmercury, augmented developmental neurotoxic effects, including
impaired negative geotaxis reflexes and motor coordination [244].

8.5. Others

Chen et al. indicated common PBDE congeners might be toxic agents in neural
precursors, which cause functional changes and induce transcriptome changes in path-
ways that regulate neurodevelopment, hormone signaling, and the response to stress in
the environment [245]. PBDEs (PBDE-99 and PBDE-47) exposure in the neonatal period
disrupts the normal development of the brain and causes a disturbance in spontaneous
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behavior [246–248]. In the cortex, a high level of growth-associated protein-43 (Gap 43), a
neuronal growth-related protein, was observed [246,247]. PBDE-47 increased the sponta-
neous coil activity in the embryos of zebrafish under high-intensity light and decreased the
locomotion in the larvae of zebrafish. These locomotion effects were negatively correlated
with tissue PBDE-47 levels and might be related to pathways for early neurogenesis, the
central nervous system and development of the axes [249,250]. PBDE-47 could interfere
with neurogenic locus notch homolog protein (NOCTH), GSK3β and T3 signaling, which
may affect neurogenesis [251]. Azar et al. have reported that prenatal PBDE exposure is
correlated with a decrease in cognitive ability in preschool-age boys, but no such asso-
ciation was seen in girls at the concentrations of exposure in Canada [252]. It has been
established that primary sensory neurons are susceptible to the neurotoxic effects of PBDE-
209 [253]. C57BL/6J mice were given an oral dose of 20 mg/kg PBDE-209 from day 1 to
21. A drop in TH and/or glial cell activity could impede hippocampal growth, resulting
in behavioral difficulties [254]. PBDE-99 was provided to CD-1 Swiss females orally daily
from gestational day (GD) 6 to PND 21. On PND 60, the treated mice exhibited an altered
thigmotaxis, devoting more time to the centre of the arena than the control mice [255].
PBDE-99 inhibits the differentiation of a mouse and human neural progenitor cell (NPC)
lineage into a lineage of oligodendroglial based on species-specific actions [256]. Startle
reactions to acoustic stimuli were intensified by PBDE-71 at PND 90, displaying the delay
of sensory responsiveness [257]. In zebrafish larvae, hyperactivity was seen when PBDE-71
was present in low concentrations, whilst higher concentrations led to decreased activity
during the dark period [258]. Disruption of calcium balance can be caused by PBDE-71,
resulting in decreased cholinergic function and locomotor activity [259]. Perinatal exposure
to PBDE-71 induced transcriptional alterations, including neurofilaments and cell adhe-
sion molecules (i.e., N-cadherin and CAMKII, and cytokines) [260]. PBDE-47 exposure
drastically affects spontaneous movements, decreases the response to touch and speed of
swimming, and alters larvae’s swimming behavior due to light stimulation. The inhibition
of the axonal growth of primary and secondary motor neurons was found, which may
contribute to these motor deficits [261]. Hedgehog signaling, a pathway involved in the
development of embryos and neurogenesis, was suppressed due to PBDE-47 [262]. PBDE-
47 and PBDE-99 could cause short- and long-term behavioral damage at low exposure
levels [263]. Additionally, PBDEs (PBDE-47 and PBDE-49) delayed neuronal polarization,
leading to a substantial decrease in axonal outgrowth within the first few days in vitro.
Reduced ryanodine receptor (RyR) activity could block these axon inhibitory effects, indi-
cating that a potential RyR-dependent mechanism is involved in PBDEs neurotoxicity [264].
The expression of two G1-phase-related regulatory factors genes, p53 and cyclin-dependent
kinase inhibitor 1 (p21), was significantly increased by PBDE-47 treatment. On the other
hand, reduced gene expression of the cyclin D1 and the cyclin-dependent kinase 2 (CDK2)
occurred after PBDE-47 exposure [265]. Besides, PBDE-47 was reported to reduce the MMP
and increase the release of cytochrome c to the cytoplasm [266]. Therefore, these processes
might cause the reduced Neuro-2a cell proliferation [219,265,266]. PBDE-209 exposure at
different developmental stages (i.e., pregnancy, lactation, intragastric administration, after
weaning and prenatal to life) could alter the synaptic plasticity in adult rats [267]. PBDE-209
significantly affected dendritic branch number, synaptic protein levels and doublecortin
in neurons [268,269]. PBDE-209 exposure to pregnant and lactating mice can disrupt the
serum THs of the offspring, as it alters the expression of the Dio, thus resulting in neural
impairment [270]. Calcium overload plays a vital role in neuronal function. After being
subjected to PBDE-209, the concentration of Ca2+ in the hippocampus of the offspring was
increased and impaired learning and memory occurred [271]. Roberts et al. have reported
that PBDEs (PBDE-99 and PBDE-47) could reduce Dio2 activity in primary astrocyte cells
and H4 glioma cells, which consequently caused neurodevelopmental deficits [272]. Using
the Gesell Developmental Schedules (motor, adaptive, language, and social domains),
researchers have found that prenatal PBDE exposure was linked to lower developmental
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quotients (DQs) in young kids [273]. The effects and mechanisms of neurotoxicity induced
by PBDEs are shown in Table 7.

Table 7. Effects and mechanisms of neurotoxicity induced by PBDEs.

Treatments Effects and Mechanisms References

PBDE-209, Neuro-2a cells, HT-22 cells FAS↑, FADD↑, Caspase-8↑, Caspase-3↑, apoptosis, PDEs↑,
Bcl-2/Bax↓ [219,220]

PBDE-47 or -209, Neuro-2a cells
P53↑, P21↑, cycline D1↓, CDK2↓, Nrf2↑, MMP↓, Cytochrome

c release↑, Caspase-9↑, Caspase-3↑, ROS↑, MDA↑,
GSSG/GSH ratio↑

[265,266]

PBDE-209, SD rats, Wistar rats LC3-III↑, Beclin-1↑, P62↓, cleaved caspase-3↑, cleaved
PARP↑, Bcl-2↓, neurons death, synaptic plasticity↓ [221,267]

PBDE-153, SD rats Learning ability↓, spontaneous activity↓, neuron apoptosis [222]
PBDE-47, C57BL/6 mice cerebellar

granule neurons, hNPCs
Extracellular glutamate↑, ionotropic glutamate receptors↑,

calcium↑, oxidative stress, cell death [223,224]

PBDE-47, SD rats

Caspase3↑, Caspase12↑, Cytochrome C↑, Caspase3↑,
Caspase12↑, Cytochrome C↑, dendrites length↓, spines

density↓, the behavior of autism, motor defect, impaired
dopaminergic system, α-synuclein aggregation,

ubiquitination↓, autophagy↓, PD risk↑, hyperactivity and
anxiety-like behavior, Ruminococcaceae and Moraxella↓,

Escherichia-Shigella↑, Pseudomonas and Peptococcus↑

[225,233,236,237]

PBDE-99, cerebellar granular neurons,
SD rats BDNF↓, Bcl-2↓, learning difficulties, free radicals↑ [226–228]

PBDE-99, CD-1 Swiss mice Altered thigmotaxis, time in the centre of the arena↑ [255]
PBDE-47, human BDNF↓, risk of post-partum depression↑ [229]

PBDEs, NMRI mice BDNF↓, Ca/CaMKII↑ (PBDE-209, -206, -203) [230,231]
PBDEs, human Depression symptoms (PBDE-47, -99) [232]

PBDE-71, zebrafish

Serotonin↓, TH↓, dopamine transporter protein↓,
hyperactivity (low concentrations), activity during the dark
period↓ (high concentrations), calcium balance disruption,

cholinergic function↓, locomotor activity↓
[234,235,258,259]

PBDE-47 and PS-NPs, zebrafish,
combinde exposure

Accelerated voluntary movements, mortality↑,
darker/browner liver colour, atrophied liver, ache↓, chrn7↓ [79]

PBDE-71, SD rats Delayed effects on sensory reactivity↓, startle reactions↑ [257]

PBDEs, Daphnia magna AChe activity↓ (PBDE-47, 6-OH-PBDE-47 and
6-MeO-PBDE-47) [238]

PBDEs and PCB, zebrafish,
combinde exposure

Neurobehavioral defects, mitochondrial function↓, lipid
metabolism regulation↓ [239,240]

PBDE-209 and Pb, C57BL/6 mice,
combined exposure

TNFα↑, IFNγ↑, IL-4↑, IL-6↑, IL-10↑, IL-17 A↑, neuronal
cells↓, impaired learning behavior [241]

PBDE-209, C57BL/6 mice, ICR mice

Glial cell activity↓, hippocampal growth↓, behavioral
difficulties, dendritic branches↓, synaptic proteins↓,

doublecortin↑, weight gain↓, litter size of maternal mice↓,
TT3↑, TT4↑, FT3↑, FT4↑, dio1↓ (livers), dio2↓ (livers), dio3↓

(livers), dio1↑ (brains), dio3↓ (brains), dio3↓, calcium
overload, impaired learning and memory

[254,268–271]

PBDE-209 and Pb, zebrafish,
combined exposure

Locomotor dysfunction, ROS↑, lipid peroxidation, DNA
damage, antioxidant system↓ [242]

PBDE-209 and Pb, zebrafish,
combined exposure

Locomotor dysfunction, ROS↑, lipid peroxidation, DNA
damage, antioxidant system↓ [242]

PBDE-209 and nano-TiO2, zebrafish,
combined exposure Locomotion activity↓, mbp↓, a1-tubulin↓, gap-43↓ [243]
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Table 7. Cont.

Treatments Effects and Mechanisms References

PBDE-99 and MeHg, SD rats,
combined exposure

Developmental neurotoxic effects, impaired negative
geotaxis reflexes, impaired motor coordination [244]

PBDE-99 or PBDE-47, NMRI mice,
cerebral cortex cells, Wistar rats, human

glial cells

Development of the brain↓, spontaneous behavior
disturbance, Gap 43↑, Dio2 activity↓,

neurodevelopmental deficits
[246–248,272]

PBDE-47, zebrafish
Spontaneous coil activity↑, locomotion↓, touch response↓,

swimming speed↓, axonal growth↓, motor deficits,
Hedgehog signaling↓

[249,250,261,262]

PBDE-47 or -209, hNSC NOTCH, GSK3β and T3 signaling interference [251]
PBDE-47 or -49, SD rats, primary

hippocampal cell cultures
Neuronal polarization delay, axonal outgrowth↓,

RyR activity↑ [264]

↑ represents upregulation, ↓ represents downregulation.

9. Immunotoxicity

9.1. Oxidative Damage and Apoptosis

PBDE-47 has been shown to significantly induce the formation of neutrophil extra-
cellular traps (NETs), a central player in innate immune responses, and the mechanism
may be linked to ROS [274]. Zhou et al. have shown that PBDE-47 could diminish the
phagocytic ability and the bacteriolytic activity of R. philippinarum and blue mussel mytilus
edulis. Further exploration revealed these changes may be related to the ROS imbalance,
the MAPKs pathways, and the lysosomal membrane damage [275,276]. PBDE-47 and
PBDE-209 have been reported to enhance ROS production and decrease GSH levels [277].
Exposure of harbour seal granulocytes to PBDEs (PBDE-47, PBDE-99 and PBDE-153) leads
to oxidative stress by reducing thiols levels and increasing ROS production [278]. The
mechanisms are shown in Figures 2 and 3.

9.2. Inflammatory Response

PBDE-47 can modulate the expression of an array of intracellular miRNAs, which
are primarily involved in the regulation of the innate immunity response [279]. Persistent
exposure to PBDE-47 can impair innate immunity in mammary tissue [280]. PBDE-47 can
disrupt the secretion of proinflammatory cytokines (IL-6 and TNF-α) and interfere with
basophil activation [281–284]. Peripheral blood mononuclear cells (PBMC) from subjects
who had autism spectrum disorders (ASD) showed a higher response to lipopolysaccharide
(LPS) when pretreated with PBDE-47 compared with the control group [285]. Consistently,
resistance to the pathogen was compromised in minnow and rainbow trout after exposure
to PBDE-47 [286,287]. Mice exposed to PBDE-209 were deprived of proliferative effects
and the production of cytokines (IL-2, IFN-γ and TNF-α) in clusters of differentiation 4
(CD4) T cells and CD8 T cells [288,289]. PBDE-209 could induce immunotoxicity, which is
characterized by atrophying immune organs, altering humoral and cellular immunity and
gene expression [290,291]. Broiler chicks were supplied with PBDE-209, and the subsequent
histopathologic examinations showed damaged and necrotic lymphocytes in the spleen
and bursa and losses of lymphoid cells in the thymic gland. Interestingly, KEGG database
analysis revealed that the cytokine-cytokine receptor interaction signal pathway was most
significantly enriched [292]. Mated female C57BL/6J mice were orally administered with
PBDEs, and a considerably reduced number of splenocytes and thymocytes were observed
in offspring, suggesting PBDEs transferred from the dam affect the offspring’s immune
system [293]. Exposure to PBDEs (PBDE-47, PBDE-100 and PBDE-209) led to increased
inflammatory cytokine expression, prostaglandin E2 (PGE2) levels, cAMP concentration
and cyclooxygenase 2 (COX-2) gene expression, which illuminated that PBDEs-induced
immune response might be attributed to PGE2-prostaglandin E receptors (EPs)-cAMP-
cytokines signaling [294].
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9.3. Combined Exposures

Mixtures of compounds, including carbamazepine (CBZ), CdCl2, and PBDE-47, have
a significant impact on head-kidney (HK) leucocyte cellular activities and the humoral
response in the serum or skin mucus, as well as the dysregulation of pro-inflammatory
factors [295]. The effects and mechanisms of immunotoxicity induced by PBDEs are shown
in Table 8.

Table 8. Effects and mechanisms of immunotoxicity induced by PBDEs.

Treatments Effects and Mechanisms References

PBDE-47, SD rats NETs formation, ROS↑ [274]
PBDE-47, Ruditapes philippinarum

hemocytes, Mytilus edulis
Phagocytic ability↓, bacteriolytic activity↓, ROS↑, alteration of

MAPKs pathways, lysosomal membrane damage [275,276]

PBDE-47 or- 209, Kunming mice ROS↑, GSH↓, macrophage accessory cell function↓ [277]
PBDEs, harbour seal immune cells ROS↑, thiols↓ (PBDE-47, -99, -153) [278]

PBDE-47, THP-1 macrophage-like cells,
spleen-derived lymphocytes, BALB/c

mice, human

Perturb the innate immune response, disrupt the secretion of
proinflammatory cytokines (IL-6 and TNF-α) and interfere with

basophil activation
[279,281–284]

PBDE-47, human PBMC Higher response to LPS [285]
PBDE-47, fathead minnows (Pimephales

promelas), rainbow trout
(Oncorhynchus mykiss)

Resistance to the pathogen↓, survival rate↓, head kidney impairment,
immune factors↓, respiratory burst activity↑, immune-related genes↓,

impaired immune organs
[286,287]

PBDE-209, C57BL/6 mice, Balb/c mice,
SD rats

Proliferative effects↓, production of cytokines↓, atrophying immune
organs, humoral and cellular immunity changes [288–291]

PBDE-209, Broiler chicks Damaged and necrotic lymphocytes, lymphoid cells in the
thymic gland↓ [292]

PBDEs, pantropical spotted dolphin Inflammatory cytokine↑, PGE2↑, cAMP↑, COX-2↑ (PBDE-47,
-100, -209) [294]

PBDE-47, CBZ and CdCl2, gilthead sea
bream (Sparus aurata L.),

combined exposure

Dysregulation of pro-inflammatory factors and humoral response in
the serum or skin mucus [295]

↑ represents upregulation, ↓ represents downregulation.

10. Others

10.1. Diabetes Induction

An elevated prevalence of diabetes was observed in individuals who had been en-
vironmentally exposed to PBDE-47 [296]. The prevalence of gestational diabetes (GMD)
is increasing rapidly in the world. It has been reported that PBDEs (PBDE-153, PBDE-
154, etc.) could disturb maternal glucose homeostasis, augmenting the risk of gestational
diabetes mellitus [297]. Interestingly, PBDE-209 has been shown to elevate blood glucose
concentration and reduce insulin receptor (InsR) mRNA in HFD-fed mice [298].

10.2. Heart Toxicity

For 28 days, rats were supplied with corn oil containing PBDE-209 (5, 50, 500 mg/kg/day)
orally. It was determined that PBDE-209 caused damage to the morphology and ultra-
structure of the heart and abdominal aorta, increases in serum creatine kinase and LDH
values, and changes in antioxidant enzyme activity [299]. PBDE-209 could stimulate the
generation of ROS. Subsequently, ROS activated ER stress-related inositol-requiring en-
zyme 1α (IRE1α)/AKT/mTOR signaling pathway and elicited vascular endothelial cells
apoptosis [300].

10.3. Eye Toxicity

To investigate the mechanism of PBDEs’ effects on visual behavior, zebrafish embryos
were subjected to PBDE-71. The histological analysis uncovered a diminished area of the in-
ner plexiform layer, an enlarged inner nuclear layer, and a reduced density of ganglion cells
in the retina of the PBDE-71 group. Behavioral tests unveiled that zebrafish larvae displayed
hyperactive responses (i.e., enhanced saccadic eye movements and phototactic response) to
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PBDE-71. Further biochemical analysis demonstrated that the patterns of mRNA and pro-
tein expression of opsin differed between normal and PBDE-71 groups [301]. It was reported
that the thickness and area of the neural retina of human embryonic stem cell-derived
retinal organoids (hESC-ROs) were diminished dose- and time-dependent due to exposure
to PBDE-47. PBDE-47 exposure was associated with decreased cell proliferation, aug-
mented cell apoptosis, aberrant differentiation and changed eye morphogenesis [302,303].
Moreover, metabolomics research of hESC-ROs demonstrated pronounced fluctuations
in the metabolism of purine and glutathione after five weeks of PBDE-47 exposure [302].
It was reported that PBDE-71 increased the retinal and retinyl ester content in the eye of
zebrafish [304]. Consistently, there has been a notable rise in the transcription of retinal de-
hydrogenase (raldh2) and a marked reduction in the transcription of retinol dehydrogenase
(rdh1), cellular retinoic acid binding protein (crabp1α and crabp2α), retinol-binding protein
(rbp1α) and retinoic acid receptor subunit (raraa) in zebrafish larvae, suggesting PBDE-71
exposure caused a disturbance of retinoid signaling [305].

10.4. Lung Toxicity

Inhaling PBDEs found in the air or dust can have detrimental effects on human health,
particularly the respiratory system. For example, results indicated that PBDE-209 exposure
can increase the leakage of LDH, inhibit the viability of cells, and increase the transcripts
and protein levels of the inflammatory markers (IL-6 and IL-8) in human lung epithelial
cells [306]. PBDEs inhalations may impair the health of the lungs through inflammation,
oxidation stress, damage to the barrier integrity, uncontrolled production of mucous, and
alterations in the physics and biochemical properties of airway fluids [307,308]. Normal
human bronchial epithelial cells exposed to PBDEs (i.e., PBDE-47, PBDE-99 and PBDE-209)
have been shown to cause oxidative stress, such as NADPH oxidase-4 (NOX-4) expression
and ROS. A notable rise was noticed in the activation of DNA damage and repair processes
(i.e., increased comet tail length and elevated histone family member X phosphorylation at
ser139 site) [309]. The presence of PBDEs (PBDE-28, -47, -99, -100, -153, -154, -183, and -209)
triggered membrane disruption and a release of LDH and also caused oxidative stress in
cells, which was marked by a decrease in MMP and an emergence of ROS [310]. The effects
and mechanisms of toxicity (diabetes, heart, eye, and lung) induced by PBDEs are shown
in Table 9.

Table 9. Effects and mechanisms of toxicity (diabetes, heart, eye and lung) induced by PBDEs.

Treatments Effects and Mechanisms References

PBDE-47, SD rats
Risk of diabetes prevalence↑,

hyperglycemia, scattered
microvesicular steatosis

[296]

PBDEs, human Glucose homeostasis disturbance,
gestational diabetes mellitus↑ [297]

PBDE-209 and high-fat diet, C57BL/6 mice Blood glucose↑, insulin signaling
pathway↑, GLUT4↓, TRα↓, AR↓, Insr↓ [298]

PBDE-209, SD rats

Impaired morphology and ultrastructure
of the heart and abdominal aorta, serum
creatine kinase↑, LDH↑, IL-1β↑, IL-6↑,

IL-10↑, TNFα↑, endothelial dysfunction,
cardiovascular injury

[299]

PBDE-209, human umbilical vein endothelial cells ROS↑, IRE1α/AKT/mTOR signaling
pathway↑, autophagy↑, apoptosis [300]
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Table 9. Cont.

Treatments Effects and Mechanisms References

PBDE-71, zebrafish

Area of inner plexiform layer↓, inner
nuclear layer↑, density of ganglion cells↓,
hyperactive responses, retinal and retinyl

ester content↑, raldh2↑, rdh1↓, crabp1a↓,
crabp2a↓, raraa↓ zfrho↑, zfuv↑, zfred↑,

zfblue↑, and zfgr1↑

[301,304,305]

PBDE-47, hESC-ROs, zebrafish

Thickness and area of the neural retina↓,
cell proliferation↓, cell apoptosis,

aberrant differentiation, abnormal eye
morphogenesis

[302,303]

PBDE-209, human lung epithelial cell LDH leakage↑, cell viability↓, IL-6↑,
IL-8↑, IL-6↑, IL-8↑ [306]

PBDE-47, -99 or -209, A549 cells, pNHBE cells, human bronchial
epithelial cells

Inflammation, oxidation stress, barrier
integrity↓, uncontrolled production of

mucous, alterations in physics and
biochemical properties of airway fluids,

NOX-4↑, ROS↑, DNA damage and repair
processes↑

[307–309]

PBDEs, human lung epithelial cells Membrane disruption, LDH leakage↑,
oxidation stress, MMP↓, ROS↑ [310]

↑ represents upregulation, ↓ represents downregulation.

11. Discussion and Conclusions

As a class of typical persistent organic pollutants, PBDEs are among the most im-
portant brominated flame retardants classes, often used in plastic, textile, and electronic
components and circuits, which are found in the environment through different paths
and processes [311]. Food processing and packaging can lead to the contamination of
food with PBDEs, thereby entering the food chain [312]. PBDEs are dispersed throughout
different environmental media (water, soil, air, and dust) and pose serious threats to human
health via multiple routes of exposure (ingestion, dermal, and inhalation) [313,314]. PBDEs
and their metabolites have been proven to be hazardous to humans. The debromination
of PBDEs occurs in organisms, resulting in a notable increase of congeners with fewer
bromines [315]. PBDEs undergoing phase I metabolism give rise to OH-PBDEs metabolites
in animals, which can cause more severe biological repercussions [33]. The OH-group’s
transformation into a MeO-group (i.e., MeO-PBDEs) is a phase II reaction. Nevertheless,
metabolic processes do not yield significant changes in the elimination of PBDEs. Both OH-
and MeO-PBDEs exhibit a relatively hydrophobic character, causing them to remain within
the organism [316].

Considering the hazardous effects of PBDEs, it’s necessary to take measures to prevent
their release into the environment. An effective approach to minimize e-waste containing
PBDEs in landfills is to classify and disassemble electronic devices for treatment using mi-
crobial technologies that can absorb and decompose toxic substances. Besides, anti-seepage
systems and the continuous monitoring of PBDEs in their leachates are needed [317]. Inter-
estingly, mosses can be utilized to track spatial patterns and temporal trends of atmospheric
concentrations or deposition of PBDEs. This may offer a low-cost, feasible approach for
facilitating the timely control and sustainable management of PBDEs pollution [318]. By
using nanoscale zerovalent iron (nZVI) and palladized nZVI (nZVI/Pd), it’s possible to
debrominate lower-brominated PBDEs into diphenyl ether (DE), which is the fully de-
brominated form [319]. PBDEs mainly exist in the particulate phase of wastewater. Thus,
sedimentation technology applied in wastewater treatment plants is also a vital method to
remove PBDEs [320].

Various PBDE congeners and their metabolites may exert various biological effects by
acting on different molecular targets. Despite being arranged hierarchically in Figures 2–7,
mechanisms, and pathways of PBDEs toxicity are intertwined. Some studies have shown

425



Int. J. Mol. Sci. 2023, 24, 13487

the opposite results. The potential explanations could include the low-dose effects, non-
monotonic effects, compensate mechanisms and exposure route. The chemical formula
C12H(9–0)Br(1–10)O has the sum of H and Br atoms fixed at 10. It is theorized that PBDEs
comprise 209 congeners separated into ten homolog groups (ranging from mono- to de-
cabromodiphenyl ethers). They belong to a similar structural group, i.e., they contain two
aromatic bromine-containing rings (connected by an oxygen atom). Therefore, PBDEs are
structurally similar and have analogous toxicological properties. Besides, different tissues
may exhibit different toxic susceptibilities to the same compound. Given the complexity
and diversity of signaling mechanisms responsible for PBDEs toxicity, it is difficult to con-
solidate them into particular classifications. Therefore, we summarize other mechanisms in
the subtitle: “Others” and illustrate them in Tables 1–9.

Overall, we review the toxic effects of PBDEs on health, particularly focusing on liver
toxicity, kidney toxicity, gut toxicity, thyroid toxicity, embryotoxicity, reproductive toxicity,
neurotoxicity, immunotoxicity, heart toxicity and eye toxicity. We described the general
mechanism of action, such as oxidative damage, apoptosis, disturbance of glucose and
lipid metabolism, mitochondrial damage, intestinal microbiome disturbance, and hormonal
interferences. This review highlights that PBDEs have a broad variety of toxic effects and
mechanisms. Further studies regarding sub-cellular localization, actual environmental
exposure levels, target tissue doses, tissue specificity, dose-effect relationship, and nuanced
mechanisms are required. There is an ongoing need to further elucidate the specific
mechanisms, assimilate new research outcomes into the existing framework of PBDE
toxicity and expand existing measures to mitigate potential health effects associated with
PBDE exposures.

12. Future Directions

Our review offers a summary of the toxic effects and mechanisms of PBDEs. Special
attention should be paid to the persistence, bioaccumulation, and hazards of PBDEs. More
work is needed to further explore the molecular mechanisms that explain the association
between health outcomes and PBDEs. Understanding the adverse health effects and
potential mechanisms of PBDEs helps in developing strategies to minimize exposure and
mitigate potential health risks.
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Abstract: Small for gestational age (SGA) is considered an adverse birth outcome. Per- and polyflu-
oralkyl substances (PFAS) have become increasingly investigated as contributing environmental
factors, thus far with inconclusive results. The current study aimed to investigate the hypothesized
association between increased maternal PFAS levels in early pregnancy and an increased risk for SGA
birth. This population-based study used data from a sample of children born in Scania, Southern
Sweden, between 1995 and 2009. Two groups were compared: cases born with SGA (n = 298) and
non-SGA controls (n = 580). The cases consisted of two subgroups: one included women whose
children’s growth in late pregnancy was in the lowest quartile, and another included women from
the remaining growth quartiles. Corresponding maternal serum samples were collected from a
biobank and analyzed for concentrations of four types of PFAS: perfluorooctanoic acid (PFOA),
perfluorononanoic acid (PFNA), perfluorohexane sulfonic acid (PFHxS), and perfluorooctane sulfonic
acid (PFOS) using liquid chromatography–tandem mass spectrometry (LC/MS/MS). The results
were combined with information from birth registers and analyzed using Mann–Whitney U-tests
and logistic regression—unadjusted as well as adjusted for potential confounders. In conclusion,
elevated maternal concentrations of PFAS were not associated with an increased risk of SGA birth.
However, significant ORs were observed in a subgroup analysis restricted to women of Nordic origin
(unadjusted OR 3.2 and adjusted OR 2.4) for PFHxS.

Keywords: SGA; PFAS; endocrine disrupting chemical; case control; biobank; fetal growth

1. Introduction

In recent years, per- and polyfluorinated alkyl substances (PFAS), a class of widely
used, highly persistent, industrially produced compounds, have become a cause for envi-
ronmental concern and are associated with adverse health outcomes [1].

PFAS are a vast and complex group of manmade substances classified as organic
pollutants with half-lives of several years [2,3]. Their common properties include chemical
and thermal stability, hydrophobia and lipophobia, the ability to reduce aqueous surface
tension, and the ability to create stable foams. As a result of their unique chemical structures,
PFAS are highly persistent and suitable for industrial use, for example, as surfactants. In
addition to their extensive industrial applications, PFAS can be found in commercial
products, e.g., non-stick cookware, oil-, stain-, and water-resistant coatings in clothing,
carpets, personal protective equipment, fire-extinguishing foams, and cosmetic products.
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PFAS are released and distributed to the environment through direct emissions during
the production, use, and disposal of products in which PFAS are present [4]. The envi-
ronmental impact is further increased by indirect emissions from the transformation of
precursor substances—PFAS created through the degradation of compounds in other sub-
stances [5]. Human exposure occurs primarily via diet and drinking water due to surface
and groundwater contamination [6]. Although the effects of PFAS have become increasingly
investigated, the extent of their environmental and biological impact has yet to be deter-
mined. During gestation, a fetus is exposed to maternal PFAS via placental transportation
and passage [7]. Strong correlations between maternal and cord serum PFAS concentrations
have been observed, enabling maternal concentrations to be used as a surrogate marker for
fetal exposure during pregnancy [8]. PFAS have been described as endocrine-disrupting
chemicals (EDC), and exposure may affect fetal growth and development [9,10].

Birth weight is an established indicator of fetal development and healthy birth out-
comes [11]. Small for gestational age (SGA) is defined as a baby born smaller than the
average for a specific week of pregnancy. Morbidity and mortality are significantly in-
creased in infants born SGA when compared with appropriate-for-gestational-age infants
(AGA), even from term, low-risk pregnancies [12]. While causes for SGA are diverse, the
most common etiologies include maternal medical conditions, infections, substance use,
and a variety of placental factors [13]. Numerous studies have investigated the association
between fetal intrauterine PFAS exposure and adverse birth outcomes, such as reduced
birth weight and SGA, but findings are inconsistent.

The most recent opinion by the European Food Safety Authority (EFSA) concluded
that “there may be a casual association between PFOS and PFOA and birth weight” [14].
In addition, a systematic review and meta-analysis observed a statistically significant
association between PFAS and reduced birth weight for four of the most widespread
and frequently investigated PFAS: perfluorooctanoic acid (PFOA), perfluorononanoic acid
(PFNA), perfluorohexane sulfonic acid (PFHxS), and perfluorooctane sulfonic acid (PFOS),
as well as other types [15]. However, the authors highlighted the need to investigate the
effect of specific types and doses of PFAS on birth outcomes, expanding our understanding
of causality and dose–response curves.

The present study aimed to investigate the hypothesized association between maternal
levels of specific PFAS in early pregnancy and the risk of SGA birth by combining medical
birth register data with serum samples from a biobank in Scania, the southernmost county
in Sweden.

2. Materials and Methods

2.1. Study Design and Sources

This study was approved by the Ethical Committee (Reg. No. 2014/696) at Lund
University, Sweden, and was conducted as a register- and biobank-based case-control study
where the following sources were used:

2.1.1. Biobank Serum Samples

This study was based in Scania, where the Southern Sweden Maternal Biobank (SSMB)
has collected >250,000 maternal blood samples from infection screening in early pregnancy
(weeks 10–14) since 1989. The coverage in the biobank has been shown to be >90% [16].

2.1.2. Register Data

Various maternal and obstetric registers and databases were utilized: the Swedish
Medical Birth Register (MBR) and the Perinatal Revision South (PRS), a local Scanian birth
register. As part of the Scanian regional ultrasound routines, examinations in early (around
gestational week 18) and late (around gestational week 32) pregnancy were performed and
registered in a separate database [17,18].
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2.2. Cases and Controls

An a priori statistical power analysis was performed to determine the study population
size. Based on the aim of including 300 SGA cases and 600 controls, detecting an odds
ratio of 1.6 or higher with statistical significance (p < 0.05) was deemed possible while not
exceeding the project budget.

Figure 1 illustrates the study selection process. The study population consisted of all
singleton births in Scania between 1995 and 2009, identified through the registers mentioned
above. Mothers diagnosed with preeclampsia were excluded due to an ongoing study on
the association between PFAS and preeclampsia [16].

Figure 1. Flow diagram of the study selection process.

The SGA diagnosis was defined as birth weight below two standard deviations from
the expected, according to the national intrauterine growth curve, which takes gestational
week and gender into account [19]. Fetal growth in late pregnancy, i.e., between the second
ultrasound and birth, was calculated for all SGA children. Among the women whose
children’s growth in late pregnancy was in the lowest quartile, 225 mothers were randomly
selected. This case group was defined as “SGA with poor growth spurt”. Likewise, a group
of 225 women was randomly selected from the remaining upper three quartiles, defined
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as “SGA other”. From the study population, 900 children with regular birth weights were
randomly selected as controls.

Among the 225 SGA with a poor growth spurt, the 225 SGA other, and the 900 controls,
95%, 96%, and 95% serum samples were available in the biobank, respectively. The biobank
was instructed to select samples with the aim of later reaching 150, 150, and 600 analyzed
samples, respectively. After randomly sorting the individuals within the respective groups,
the first 158 SGA with a poor growth spurt, 151 SGA other, and 603 controls were therefore
selected for PFAS analysis—accounting for potential loss. The remaining samples were
excluded from this study due to budgetary reasons. Although available in the biobank, not
all samples met the criteria regarding sample volume to be analyzed for concentrations of
PFAS. Six SGA with a poor growth spurt, five SGA other, and twenty-three controls could
not be analyzed, and the final numbers of participants were 152 SGA with a poor growth
spurt, 146 SGA other, and 580 controls.

2.3. Analysis of PFAS

The maternal serum samples were analyzed using liquid chromatography–tandem mass
spectrometry (LC/MS/MS; QTRAP 5500; AB Sciex, Framingham, MA, USA) using a method
by Norén et al. at the laboratory of Occupational and Environmental Medicine at Lund
University [20]. In summary, internal standards for all compounds were added to aliquots of
serum. The proteins were precipitated with acetonitrile, vigorously shaken for 30 min, and
centrifuged and analyzed regarding concentrations of perfluorooctane sulfonic acid (PFOS),
perfluorooctanoic acid (PFOA), perfluornonanoic acid (PFNA), and perfluorohexane sulfonic
acid (PFHxS). All native and isotopically labeled standards were purchased from Wellington
Laboratories (Guelph, ON, Canada). Acetonitrile, ammonium acetate, and methanol were
from Merck (Darmstadt, Germany), and water was from a Milli-Q Integral 5 system (Millipore,
Billerica, MA, USA). Homemade quality control (QC) samples were prepared by pooling
serum samples, and MO water was used for chemically blank samples. Every analyzed batch
included calibration standards, QC samples, and chemically blank samples. The limit of
detection (LOD) was determined from the blank samples.

The analyses were conducted in a duplicate and randomized order with LODs of
0.12 ng/mL for PFOS, 0.04 ng/mL for PFOA, and 0.03 ng/mL for PFNA and PFHxS. The
coefficient of variation (CV) of the QC samples (n = 32) was 8% for PFHxS at 2 ng/mL
and 10% at 3 ng/mL, for PFOA, 12% at 3 ng/mL and 9% at 4 ng/mL; for PFNA 10% at
2 ng/mL and 9% at 4 ng/mL; and for PFOS 7% at 12 ng/mL and 8% at 13 ng/mL. The
laboratory participated successfully in the HBM4EU QA/QC program and participates
in G-EQUAS for PFOS and PFOA analysis coordinated by the University of Erlangen-
Nuremberg, Germany (Supplemental File S1).

2.4. Other Pregnancy Information

Additional information was obtained from the MBR, which includes data on practically
all deliveries in Sweden with information acquired from medical records on prenatal,
delivery, and neonatal care [21]. The following variables were obtained: maternal age,
calendar year of birth, body mass index (BMI) kg/m2, parity (primipara and multipara),
smoking habits (non-smoker, 1–9 cigarettes/day, and >9 cigarettes a day), sex of the child,
diabetes (yes/no), gestational diabetes (yes/no), involuntary childlessness for at least a
year (yes/no), gestational week at partus, and maternal country of origin (eight categories).

2.5. Statistics

Background characteristics and PFAS concentrations for the cases and controls are
presented as mean/median with minimum and maximum values for continuous variables
or numbers and percentages for categorical variables. As a first step, comparisons of
PFAS concentrations as continuous variables between cases and controls were analyzed
with the Mann–Whitney U-test. In addition to managing the cases as a single group, the
cases were divided into two subgroups (SGA with poor growth spurt and SGA other) and
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analyzed separately. As a second step, odds ratios (ORs) and 95% confidence intervals
(CIs) were calculated using logistic regression models. In these analyses, the concentrations
of the PFAS variables were categorized into quartiles based on their distribution among
the controls. The lowest exposure quartiles were used as reference categories. The PFAS
variables were analyzed individually. Crude analyses were completed with a priori defined
models adjusted for maternal age (4 categories: <25, 26–30, 31–35, and >35 years), BMI
(4 categories: <20, 20-<25, 25-<30, ≥30 kg/m2), smoking (2 categories: yes and no), and
parity (primipara and multipara). Based on prior research, women of Nordic origin have
among the highest concentrations of PFAS; therefore, we conducted separate analyses
including only women of Nordic origin [22]. In addition, it is reasonable to assume that
these women are more homogeneous as a group compared to the entire study population.
Furthermore, separate analyses were performed for infant sex, as previous studies have
found sex-specific effects of PFAS on adverse birth outcomes [23,24]. Due to limited
statistical power, separate analyses were not performed for the different case groups.
Statistical significance was defined as p-values below 0.05. All statistical analyses were
conducted in SPSS (Version 27.0) (IBM Corp., Armonk, NY, USA).

3. Results

Background characteristics and demographics of the study participants are presented
in Table 1. The most pronounced differences between the cases and controls were the higher
proportion of primiparas (66.8% vs. 47.1%) and smokers (23% vs. 9.6%), and the lower
proportion of women originating from a Nordic country.

Table 1. Background characteristics among all cases (n = 298) and controls (n = 580) as well as for the
two case groups.

Characteristics

Mean/Median (min, max)

SGA Poor
Growth Spurt

n = 152

SGA Other
n = 146

Cases (Total)
n = 298

Controls
n = 580

Maternal birth year 1973/1973 (1956, 1988) 1974/1974 (1958, 1992) 1974/1973 (1956, 1992) 1973/1973 (1955, 1993)
Maternal age at childbirth 30/30 (19, 40) 28/29 (17, 41) 29/29 (17, 41) 29/29 (15, 42)

Calendar-year of childbirth 2003/2004 (1995, 2009) 2003/2004 (1995, 2009) 2003/2004 (1995, 2009) 2003/2004 (1995, 2009)

n (%)

BMI in early pregnancy (kg/m2)
<20 11 (8.3) 24 (19.2) 35 (13.6) 60 (11.9)

20-<25 75 (56.8) 72 (57.6) 147 (57.2) 286 (56.9)
25-<30 25 (18.9) 21 (16.8) 46 (17.9) 109 (21.7)
≥30 21 (15.9) 8 (6.4) 29 11.3) 48 (9.5)

Missing 20 21 41 77

Parity
1 103 (67.8) 96 (65.8) 199 (66.8) 273 (47.1)
≥2 49 (32.2) 50 (34.2) 99 (33.2) 307 (52.9)

Smoking in early pregnancy
Non-smokers 106 (77.9) 105 (76.1) 211 (77.0) 490 (90.4)
1–9 cig/day 23 (16.9) 22 (15.9) 45 (16.4) 39 (7.2)
>9 cig/day 7 (5.1) 11 (8.0) 18 (6.6) 13 (2.4)

Missing 16 8 24 38

Gender of child
Male 65 (42.8) 76 (52) 141 (47.3) 299 (51.6)

Female 87 (57.2) 70 (47.9) 157 (52.7) 281 (48.4)

Diabetes (yes) 0 (0.0) 1 (0.7) 1 (0.3) 2 (0.3)

Gestational diabetes (yes) 2 (1.3) 4 (2.7) 6 (2.0) 11 (1.9)
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Table 1. Cont.

Characteristics

Mean/Median (min, max)

SGA Poor
Growth Spurt

n = 152

SGA Other
n = 146

Cases (Total)
n = 298

Controls
n = 580

Gestational week at partus
<34 1 (0.7) 0 (0.0) 1 (0.3) 2 (0.03)

34-<37 25 (16.4) 11 (7.5) 36 (12.1) 13 (2.2)
≥37 126 (82.9) 135 (92.5) 261 (87.6) 565 (97.4)

Maternal country of origin
Sweden 97 (64.8) 70 (50.3) 167 (59.2) 369 (65.8)

Other Nordic Countries 6 (4.2) <5 8 (2.8) 20 (3.6)
Western Europe, USA, Australia,

New Zealand <5 <5 <5 6 (1.2)

Former Eastern Europe 8 (5.6) 13 (9.3) 21 (7.4) 48 (8.6)
Sub-Saharan Africa <5 <5 6 (2.1) 13 (2.3)

The Middle East, North Africa 23 (16.1) 37 (26.6) 60 (20.3) 76 (13.5)
East Asia <5 12 (8.6) 16 (5.7) 23 (4.1)

South/Central America <5 <5 <5 6 (1.2)
Missing 9 7 16 19

The highest maternal serum concentrations were observed for PFOS in all study
groups, followed by PFOA (Table 2). There were no significant differences between all
cases and the controls when the PFAS were analyzed as continuous variables. The cases
with poor growth spurt had significantly higher concentrations of PFOA and PFHxS as
compared to the controls, whereas the case group SGA other had lower concentrations of
PFOS compared to the controls.

Table 2. Maternal serum concentrations of the different PFAS compounds (ng/mL) among the cases and
controls. For comparison, only statistically significant (p < 0.05) differences between groups are marked.

PFAS (ng/mL)

SGA Poor
Growth Spurt

n = 152

SGA Other
n = 146

Cases (Total)
n = 298

Controls
n = 580

Mean/Median
(min, max)

PFOA
2.9 */2.9
(0.3, 10.1)

2.5/2.1
(0.4, 8.5)

2.7/2.6
(0.3, 10.1)

2.5/2.1
(0.4, 9.4)

PFOS
14.4/12.0
(1.1, 71.1)

12.6 */9.8
(0.6, 126.9)

13.5/10.8
(0.6, 126.9)

13.2/10.7
(0.5, 54.4

PFNA
0.5/0.4

(0.04, 2.8)
0.5/0.4

(0.04, 2.2)
0.5/0.4

(0.04, 2.8)
0.5/0.4

(0.03, 3.5)

PFHxS
0.8 */0.7

(<LOD, 9.4)
0.6/0.5

(<LOD, 9.7)
0.7/0.6

(<LOD, 9.7)
0.6/0.5

(<LOD, 4.5)
PFOA: perfluorooctanoic acid; PFOS: perfluorooctane sulfonate; PFNA: perfluorononanoic acid; and PFHxS:
perfluorohexane sulfonate. Limit of detection (LOD): PFOA: 0.04, PFOS: 0.12, PFNA: 0.03, and PFHxS: 0.03.
* Significant differences (p < 0.05) between cases and controls using Mann–Whitney U-test.

When the different PFAS were analyzed as categorical variables and when the highest
vs. lowest exposure categories were compared, the only statistically significant associations
observed were ORs below one in the adjusted analysis for PFOS when all cases were
included (OR 0.60, 95% CI 0.38–0.96, Table 3). This observation was driven by the group
SGA other (unadjusted OR 0.49, 95% CI 0.28–0.85; adjusted OR 0.40, 95% CI 0.21–0.75). For
PFHxS, the unadjusted analyses gave a significantly increased OR of 2.00 (95% CI 1.21–3.30)
for SGA poor growth spurt, which decreased to 1.51 (95% CI 0.83–2.74) in the adjusted
analyses and was no longer statistically significant.
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In the analyses including only mothers of Nordic origin, significantly increased ORs
were observed when the highest exposure category was compared to the lowest exposure
category for PFOA (OR 2.85 95% CI 1.43–5.67), PFOS (OR 1.77 95% CI 1.02–3.10), as well as
for PFHxS (OR 3.19 95% CI 1.60–6.34) (Table 4). In the adjusted analyses, PFHxS was the
only one still statistically significant (OR 2.44, 95% CI 1.11–5.38). When separate analyses
were performed for infant sex, two significant associations were observed. A decreased OR
among boys for PFOS (adjusted OR 0.38 95% CI 0.20–0.74) was observed when the highest
exposure category was compared to the lowest exposure category, and a significantly
increased OR among girls was observed for PFHxS (adjusted OR 2.08 95% CI 1.08–4.02).

Table 4. The associations between concentrations of PFAS in maternal serum samples taken in early
pregnancy and small for gestational age (SGA), including only women of Nordic origin in the analysis.
Odds ratios (OR) and 95% confidence intervals (CI) were obtained from logistic regressions.

PFAS
(ng/mL)

Women of Nordic Origin

Unadjusted Adjusted a

OR 95% CI OR 95% CI

PFOA

≤12.03 1.00 ref b 1.00 ref b

>12.03–19.62 0.68 0.30–1.52 0.48 0.19–1.17
>19.62–26.78 2.89 1.44–5.80 1.87 0.85–4.12

>26.78 2.85 1.43–5.67 1.62 0.74–3.57

PFOS

≤6.66 1.00 ref b 1.00 ref b

>6.66–10.73 1.00 0.54–1.84 0.92 0.46–1.85
>10.73–18.09 1.77 1.02–3.10 1.55 0.83–2.90

>18.09 1.33 0.76–2.31 1.11 0.59–2.09

PFNA

≤0.28 1.00 ref b 1.00 ref b

>0.28–0.41 0.99 0.56–1.75 0.87 0.44–1.71
>0.41–0.60 1.17 0.67–2.05 1.14 0.59–2.20

>0.60 1.39 0.80–2.41 1.34 0.69–2.60

PFHxS

≤0.31 1.00 refb 1.00 ref b

>0.31–0.53 1.69 0.82–3.48 1.68 0.75–3.77
>0.53–0.78 1.67 0.82–3.43 1.46 0.65–3.28

>0.78 3.19 1.60–6.34 2.44 1.11–5.38

PFOA: perfluorooctanoic acid; PFOS: perfluorooctane sulfonate; PFNA: perfluorononanoic acid; and PFHxS:
perfluorohexane sulfonate. The PFAS variables were included in the models one at a time. a Adjusted for BMI
(4 categories: <20, 20-<25, 25-<30, >30), parity (2 categories: 1 and ≥2), maternal smoking habits in early pregnancy
(2 categories: yes or no), and age (4 categories: <20, 20-<25, 25-<30, 30). b Reference category.

4. Discussion

The present study showed no statistically significant increased risk of SGA birth with
higher maternal serum concentrations of PFAS in the general population in Scania, South-
ern Sweden. Results indicating a reduced risk of SGA birth with higher levels of PFOA
and PFOS were observed in some instances—however sporadic and inconsistent across ex-
posure quartiles. In contrast, we found significant associations between exposure to PFHxS
and an increased risk of SGA birth in the analysis restricted to women of Nordic origin.

4.1. Previous Studies

Our main results are in agreement with recent EFSA opinions lacking strong support
for the hypothesized association between increased PFAS exposure and SGA birth [14]. The
most recent opinion reports a tendency among the examined studies towards an inverse
correlation between both PFOS and PFOA and birth weight, while acknowledging the lack
of strong indications that this translates into an increased risk of SGA birth.
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The inconsistent and occasionally conflicting evidence from epidemiological studies
on PFAS exposure and reduced birth weight is an ever-recurring predicament, perhaps
further complicated by the physiological changes related to pregnancy. A recently updated
meta- and bias-analysis on serum PFOA and birth weight found little or no association
when exclusively including studies where blood was sampled from mothers in early
pregnancy [15]. However, an association was observed when restricting the analysis
to samples drawn later in pregnancy. The authors discuss a possible and repeatedly
suggested explanation for the heterogeneity of the results: the timing of maternal blood
sampling. More specifically, the differences may be attributed to a pregnancy-related
expansion of plasma and blood volume and the parallel increase in glomerular filtration
rate (GFR), which would be expected to result in reduced concentrations of PFOA later
in pregnancy [25,26]. The authors argue that studies based on samples drawn in late
pregnancy are more susceptible to confounding by low GFR [27]. An insufficient GFR
during pregnancy leads to impaired fetal growth as well as higher maternal serum PFOA,
which naturally would be more of a concern later in pregnancy as opposed to earlier.

4.2. Restricted Analyses

The analyses restricted to male infants and women of Nordic origin were specifically
selected based on results from previous studies. Numerous research articles on the subject
have presented sex-specific effects of PFAS, with male fetuses being more affected regarding
birth weight [23,24]. In our study, higher PFOS concentrations resulted in a decreased
risk of SGA among boys, whereas higher PFHxS concentrations resulted in an increased
risk of SGA among girls. The reason for this pattern remains unknown. Our study found
significant differences when restricting the analysis to women of Nordic origin. It is
reasonable to assume that Nordic women are more homogenous as a group compared
to the entire study population, which might reduce the risk of residual confounding. In
addition, epidemiological studies have found PFAS serum levels to be among the highest in
these countries [22]. The highest maternal serum concentrations were found in women of
Swedish and Danish origin, compared to study participants born elsewhere. Unfortunately,
no record of resident duration was available, but the discrepancy was speculated to be
a result of differences in background exposure, lifestyle, diet, and perhaps even genetic
differences in susceptibility to exposure. Regarding the discrepancy between the ORs in
the unadjusted and adjusted models, it was found to be driven by parity when adjusting
for all confounders separately. This observation agrees with prior research, as parity has
been found to be a significant predictor for PFAS concentrations, decreasing with parity
increase [28].

4.3. Strengths and Weaknesses

The strengths of our study include the use of the Southern Sweden Maternal Biobank,
extensive birth registers, and a population-based design, which increases generalizability.
The high-quality registers enabled us to adjust for important potential confounders, such
as smoking habits and parity. By selecting subjects from a regional screening program, the
risk of selection bias was minimized, and ultrasound data allowed us to take infant growth
in the last trimester into account. Also, all samples were taken at the same gestational age
and analyzed using state-of-the-art laboratory equipment. As previously mentioned, PFAS
are stable molecules with half-lives of several years, meaning the concentration in a single
sample can characterize exposure in epidemiological studies with relative accuracy.

Several limitations should be acknowledged. We could not account for the mother’s
educational level or socioeconomic status, which have been identified as key confounders.
Furthermore, mothers born SGA are more likely to give birth to SGA children themselves,
and maternal birth weight was not accounted for in our study. Pathophysiological mech-
anisms of intrauterine growth restriction (IUGR), namely infections, various maternal
diseases, chromosomal aberration, immunization, and placenta-associated complications
such as preeclampsia, were not accounted for. In addition, growth estimates based on ultra-
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sound data are susceptible to operator-dependent differences as well as inherent random
errors. This could potentially lead to a nondifferential misclassification and bias estimates
towards the null. As pointed out in the introduction, thousands of specific molecules
constitute the group of PFAS, and the current study chose to investigate only four of them.
Although we selected the most widespread and frequently studied substances, this may
limit the external validity and applicability of the results.

5. Conclusions

In conclusion, the present study found no association between higher maternal serum
levels of PFAS in early pregnancy and an increased risk of SGA birth. However, an increased
risk was observed for PFHxS when restricting the analysis to women of Nordic origin. This
was a population- and biobank-based study using early-pregnancy sampling while also
taking the fetal growth spurt in late pregnancy into account, which is, to our knowledge, a
new approach. Future investigations of the potential fetotoxic effects of PFAS are needed to
further our understanding of their biological impact on humans.
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Abstract: The consumption of packaged water is growing rapidly in both urban and rural centres in
Burkina Faso. Bisphenol A (BPA) and trace metals are among the compounds used in the manufacture
of plastic packaging, and their presence in water can pose a health risk to consumers due to their
alleged toxicity. Therefore, this study explores the transfer of these compounds from plastic packaging
to mineral water in Sudano-Sahelian climatic conditions. Ten samples of packaged sachet water
commercialised in Ouagadougou were studied. An absence of BPA in the borehole water used
to produce packaged water has been shown. The transfer of BPA into mineral water increases
with storage temperature. The BPA that appears in packaged water degrades over time. BPA
concentrations ranged from 0 to 0.38 mg/L after two weeks of storage, 0 to 0.8 mg/L after four weeks
of storage and 0 to 0.35 mg/L after 8 weeks of storage. Analysis of the trace metals showed steadily
increasing concentrations from the second to the sixth weeks, with concentrations ranging from 0 to
9.7 μg/L for cadmium and from 0 to 0.13 mg/L for iron in the sachet water samples.

Keywords: Bisphenol A; drinking water quality; plastic containers; sachets of mineral water;
Sudano-Sahelian climatic conditions; trace metals; water micropollutants

1. Introduction

Africa is currently characterised by rapid demographic growth, with one of the highest
birth rates in the world [1]. The increasingly numerous population is become urbanised,
with an average urbanisation rate of 4% [2]. The urban population growth dynamic has
risen over the years from 31.0% in 1990 to 54.4% in 2020, while in West Africa, the growth
rate has increased from 7.5% to over 34.0% from 1960 to 2020. This translates to more
than 123 million inhabitants in West African cities in 2020 [3]. This new environment is
bringing about profound changes in lifestyle and consumption patterns. Feeding and
maintaining this urban population calls for intensification of production. Therefore, the
situation places significant pressure on available resources, especially on the limited water
resources. Burkina Faso, just like other countries in West Africa, faces major challenges in
access to water and sanitation amidst the galloping population growth. Urbanisation in
Ouagadougou remains heterogeneous [4]. Against this backdrop of urbanisation and the
soaring water demand, it has been observed that people are increasingly using packaged
water as drinking water, both at home and in the workplace [5]. Packaged water is produced
by local industrial units. The hygienic appearance of these waters appeases consumer
confidence. The situation has thus promoted the creation of numerous packaged water
production units.
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However, the rush to create packaged water production units must not compromise
consumer protection, as failure to comply with specific requirements can lead to products
that do not adhere to the potability standards in force for drinking water, especially as water
is a mass consumption product. This is why quality control, through regular monitoring of
the water produced, is an important part of the process.

Most water quality monitoring protocols focus on common parameters that can imme-
diately impact consumer health. However, it is recognised that water can be contaminated
in numerous ways [6–9]. There is natural contamination, i.e., depending on the composi-
tion of the rocks making up the aquifer [10–13], and/or anthropic contamination due to
human activities [14]. The latter is complex because it varies according to human activities
and different uses of the resource [15–17]. Some water pollutants can be toxic through a
cumulative effect if ingested repeatedly. This is particularly true of certain micropollu-
tants such as trace metals and bisphenol A (BPA) [18,19]. BPA, whose chemical name is
2,2-bis(4-hydroxyphenol) propane, is a synthetic chemical mainly used to manufacture
plastics and resins. It is obtained through a reaction between two phenol equivalents and
one acetone equivalent, with its molecule containing two phenol functional groups [20,21].
Mineral water is generally packaged in plastic containers produced with BPA [22]. Under
normal conditions, BPA is a chemically stable substance, but it breaks down slowly at
high temperatures and is released into the environment [23,24]. BPA is considered to be
an endocrine disruptor [22,25]. It is also considered by several authors to be the cause
of numerous diseases [19,26,27]. In recent years, BPA has been the subject of numerous
studies worldwide. Authors have been particularly interested in its presence in water and
its toxicity for humans and the environment [28,29]. Other studies have often focused
on its transfer from plastic bottles to water or from cans to food [30,31]. Trace metals
are also associated with various risks for humans in the event of high levels in drinking
water [32–34]. The novelty of this study deals with the transfer of BPA and trace metals
from plastic packaging to packaged mineral water; we assess their levels in packaged water
being produced and commercialised in an urban centre in Africa. The external and internal
factors involved in their migration from plastics to packaged water were studied.

2. Materials and Methods

2.1. Study Area

The study was carried out in Ouagadougou, the capital city of Burkina Faso. It is the
country’s largest economic and cultural centre, with an estimated population of two million
six hundred and eighty-four thousand and fifty-two (2,684,052) inhabitants in 2020 [35].
The city is growing steadily, with an annual growth rate of 7.6% [5]. Ouagadougou is the
capital of the Centre region, with twelve (12) districts subdivided into fifty-two (52) sectors.
The city has a surface area of 2857.124 km2 and is located between parallels 12◦30′ and
12◦25′ north latitude and meridians 1◦27 and 1◦35 west longitude. Figure 1 shows a map of
the city of Ouagadougou.

2.2. Sampling and Preliminary Tests

The National Agency for Environmental, Food, Labour, and Health Product Safety
in Burkina Faso (Ansseat) monitors water consumed in the city of Ouagadougou. Units
that produce mineral water sign an assistance contract with this agency, allowing it to
monitor their water quality. A sample of ten brands of mineral water packaged in sachets
were selected from among the units that had signed a service contract with Ansseat for the
study. In order to gain an overview of the transfer of these substances, the samples were
selected based on the physical nature of the containers. Packaging from different water
production units differs according to the presence or absence of a writing tab, as well as
the roughness and thickness of the sachet. Other criteria used to select the samples were
the city’s geographical distribution of the production units. Table 1 presents the physical
characteristics of the sachets while the geographical location of the samples in the city
is shown in Figure 2. The final criterion for sample selection was biodegradability; the
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test was carried out using an XRF Tester as described by Hagiwara et al. [36]. The plastic
containers were scanned to determine their iron, manganese, and cobalt concentrations
and their biodegradability. Many metals such as iron, lead, cadmium, cobalt, manganese,
antimony, and many other trace elements are used in the composition of plastics to improve
their quality and accelerate their biodegradability. This therefore informed the selection of
containers with high levels of these metals to determine whether they are transferred to
the packaged water. Table 2 shows the iron, manganese, and cobalt contents given by the
XRF tester, used as criteria for choosing our samples. Considering all the selectivity criteria,
ten (10) samples were selected for the rest of the study (Table 1). For each production
unit, samples were taken from a pack of forty sachets of packaged water (W1 to W10).
The borehole water used to produce the sachet water (W1 to W10) are named F1 to F10,
respectively. The quality of the borehole water was analysed.

Figure 1. Location of the city of Ouagadougou.

Table 1. Physical characteristics of the water sachet and geographical distribution of the samples.

Sample Code Roughness Presence of Tongue

W1 Smooth Yes
W2 Smooth No
W3 Rough Yes
W4 Smooth Yes
W5 Rough No
W6 Rough No
W7 Smooth No
W8 Smooth No
W9 Rough No

W10 Smooth No
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Figure 2. Geographical distribution of samples in the city of Ouagadougou.

2.3. Analyses and Calibration

BPA was analysed using an Agilent gas chromatograph-mass spectrometer (GC-
MS) [31,37–39]. The analyses were carried out after an internal validation of the method.
Before carrying out the analysis of BPA in the various samples, the method was verified.
The purpose of this verification was to determine the effectiveness or efficiency of the
method prior to its use in this study. A calibration range was prepared using standard
solutions. Eight solutions of different concentrations (12.50 mg/L, 6.25 mg/L, 3.13 mg/L,
1.56 mg/L, 0.95 mg/L, 0.39 mg/L, 0.10 mg/L, and 0.05 mg/L) of BPA were prepared for
GC-MS calibration using acetonitrile and ultrapure water as a solvent. The sample was
spiked to verify the method’s performance using the method described by Errico et al. [40].
Dichloromethane is the solvent used for PBA extraction. Table 3 shows the recovery rates
for Bisphenol A using GC/MS as a function of the concentrations previously spiked. The
internal procedure recommends a recovery rate of between 75% and 120%.

Once the method had been successfully tested, all the samples were treated in accor-
dance with the method using the GC-MS. For each sample, the groundwater was analysed
at ambient temperature. To assess the effect of temperature, the packaged water samples
were placed in ovens set at 18 ± 2 ◦C, 29 ± 2 ◦C, and 39 ± 2 ◦C. The duration of condition-
ing varied from two, four, and eight weeks to study the combined effect of temperature
and storage time. This was performed to monitor the behaviour of BPA and trace metals
contained in the plastic container. These three sample conditioning temperatures were
given by the meteorological surveys of the city of Ouagadougou:

18 ◦C as the average of the lowest annual temperatures;
29 ◦C as the average annual temperature;
39 ◦C as the average of the highest annual temperatures.
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Samples collected from the boreholes were immediately acidified with nitric acid at a
concentration around 5% v/v. Trace elements were measured with an Avio Perkin Elmer
inductively coupled plasma atomic emission spectrophotometer (ICP-OES). The direct
method was used to assay the samples. The calibration range was carried out using a
multi-element standard.

Table 2. Iron, manganese, and cobalt content given by the XRF tester.

Sample Code
Parameters (mg/L)

Standard Results
Results
P/F/XFe Mn Co

W1 33 38 2 Oxo Biodegradable Validated
W2 24 48 2 Oxo Biodegradable Validated
W3 52 16 3 Oxo Biodegradable Undetermined
W4 38 25 3 Oxo Biodegradable Validated
W5 58 12 2 Oxo Biodegradable Undetermined
W6 73 13 2 Oxo Biodegradable Undetermined
W7 81 17 2 Oxo Biodegradable Validated
W8 75 32 3 Oxo Biodegradable Validated
W9 45 47 4 Oxo Biodegradable Validated

W10 70 33 4 Oxo Biodegradable Validated

Table 3. Bisphenol A recovery rates using GC/MS.

Concentrations of Spiked
Solutions (mg/L)

Concentrations Detected by
GC/MS (mg/L)

Recovery Rate (%)

1.00 1.01 101
5.00 5.20 104

10.00 10.50 105
Average rate 103

3. Results and Discussion

3.1. Production, Transport and Storage of Packaged Water

The production and marketing of packaged water is an activity involving a chain of
operations. A better interpretation of the results requires an in-depth examination of the
various elements in the chain. Similarly, as several parameters can influence the fate of BPA
and trace metals, the impact of transport and storage conditions on transfer to the product
was highlighted.

Although all the production units use borehole water, the water circuit from the bore-
hole to the bagging unit differs from one unit to another. The most complex systems consist
of pre-treatment and demineralisation devices with units based on dense membranes and
tanks for adding mineral substances, a contrast to simple circuits with water distribution
from a storage tank. Based on the analysis, the semi-automated units seem to offer a better
guarantee of the final product’s quality and its compliance with good production standards
than products from the smaller units.

After production, the finished product must be transported to wholesale distributors’
warehouses or retailers’ shelves, i.e., distribution and/or consumer centres. This stage of
the production chain involves a variety of means of transport, including lorries, commercial
vehicles, and tricycles. Over 60% of products are transported by tricycles because of
their relatively low acquisition, servicing, and maintenance costs compared to commercial
vehicles and lorries (insurance, technical inspection, motor vehicle tax). These vehicles
offer greater flexibility of use and placement in a city where traffic is dense at certain times
of the day (driving licence, ability to fill small orders quickly). In addition, more than
65% of means of transport are not covered, which exposes the conditioned water to dust
and sunlight.

Storage occurs at three levels: after production, at the sale point, and at the consumer’s
home. Before transport, storage is carried out within the water production units. The
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observations show that the water samples produced are assembled on the floor or on
pallets. The findings show that all the production units surveyed had suitable storage
conditions. Storage is also carried out at the distribution point. At this level, wholesalers
have warehouses in which products are stored. At these points, water packs are generally
stored in metal grids provided by the producers. Even when fitted out, these racks often
leave the products exposed to the sun, rain, and dust. Therefore, there is a clear risk of
contamination and deterioration of water quality at the retail level. At the household
level and in retail outlets, storage is relatively better. Consumers use water for direct
consumption or storage in coolers, refrigerators, or equipped areas of the house.

Water is therefore stored under different conditions depending on the stage in the
consumption chain. Storage at wholesalers, therefore, appears to be the weakest link in
the chain, with conditions that do not guarantee product quality. More than half of the
packaged water samples were stored in inadequate conditions. Exposure to the sun, wind,
dust, and other adverse weather conditions poses the risk of deterioration in product
quality. Previous studies have reported that photo-oxidation may be one of the degradation
pathways for BPA [41]. It has also been shown that storage conditions do not depend on
the brand of the product. It is more generally linked to the distribution company.

3.2. Bisphenol A in Sources and Packaged Water in Ouagadougou

The presence of bisphenol A in drinking water can have several origins, the greatest
risk of which appears to be transfer from the container to the contents. To a lesser extent,
the environmental conditions at the source and a lack of hygiene in handling may also
be involved.

The presence of BPA in borehole water was assessed for all ten sources used to produce
packaged water. The results of the analyses showed the absence of BPA in all the sampled
groundwater used for the production, thus highlighting the fact that the level of BPA
pollution in the city of Ouagadougou is low and cannot lead to contamination of the
water table. This is justified by the Environment/Health report [42], which shows that the
movement of BPA in the water and/or soil matrix is influenced by the physico-chemistry of
the receiving soil and the water flowing through it, in particular the pH and the properties of
the organic matter in the water. On the other hand, other results reported by Rudel et al. [43]
showing concentrations of 1.41 μg/L in groundwater samples taken between a wastewater
treatment plant and a municipal landfill, justify that the environmental state of the site on
which the production unit is to be located must be closely scrutinised during the health
inspection prior to the authorisation to open.

3.3. BPA in Packaged Water
3.3.1. Effect of Temperature on BPA Migration

Surveys and observations revealed poor storage conditions for packaged water, partic-
ularly regarding exposure to sunlight. As certain studies had revealed the possible effects
of temperature on the stability of packaged water, investigations were carried out on the
samples taken. The ten samples were therefore subjected to three different temperatures:
18 ◦C, 29 ◦C, and 39 ◦C. Samples were conditioned in ovens at these three temperatures,
and the results of the analyses are shown in Figure 3. The results obtained show that
although BPA was not present in the water leaving the production lines, BPA levels of up to
0.780 mg/L were obtained in the same packaged water exposed to high temperatures. This
substance, previously absent in borehole water, was found in packaged water, suggesting
that the containers were the source of contamination. This shows that the sachets used
for packaging are made from polycarbonates and/or the resin is made from bisphenol A.
These results are in line with those of Cadi et al. [44] who maintain that most plastics are
made from polycarbonate or resin, and therefore contain bisphenol A.

It also appears that, at low temperatures, BPA is virtually absent from all the packaged
waters studied after 14 days’ storage. The results also show the presence of Bisphenol A
in all the samples studied at ambient and high temperatures in the city of Ouagadougou.
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Analysis of the results shows that the concentration of BPA in packaged water increases
with temperature. Thus, a rise in temperature leads to an increase in BPA concentrations in
the samples. Temperature therefore accelerates the fragmentation and depolymerization of
polycarbonates and peroxide resins, leading to the release of monomers, including BPA [44].
These were also the results of the study by Brede et al. [45], who reported that the use of
plastic containers leads to the migration of BPA in water, especially when the temperature
is raised. For other authors, such as Calafat et al. [46], the concentration of BPA in water
contained in plastic can increase up to 55 times compared to low temperatures. In this
4-week conditioning analysis, BPA concentrations ranged from a minimum of 0.032 mg/L
to a maximum of 0.800 mg/L (Figure 3). Taking this maximum concentration into account,
subjects weighing 10 kg (average weight of children aged 0–3 years) and 63 kg (average
weight of adults) drinking 0.75 L and 1.5 L of sachet water per day, respectively, would
have accumulated concentrations of 0.06 and 0.02 mg/kg body weight/day of BPA. Under
these conditions of exposure, adults absorb a low dose compared to the acceptable daily
intake (ADI), which is 0.05 mg/kg of body weight per day. If packaged water is their
only source of BPA contamination, they would be safe. A child weighing 10 kg absorbs
0.06 mg/kg/day, which is higher than the ADI. Although it may not the only source of BPA
contamination, the consumption of packaged water leads infants to absorb more than the
TDI (0.05 mg/kg of body weight per day). This shows that children are the most exposed
to BPA absorption, confirming the thesis of previous authors who maintain that young
people in general, and foetuses and newborns in particular, are vulnerable to BPA [47].

(a) 

Figure 3. Cont.
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(b) 

(c) 

Figure 3. BPA in conditioned water as a function of conditioning time and temperature. (a): 2 weeks;
(b): 4 weeks; (c): 8 weeks.

3.3.2. Effect of Storage Time on BPA Migration

Figure 3 also shows changes in BPA levels as a function of time. Concentrations at two
weeks (Figure 3a) are lower than those at four weeks (Figure 3b). Therefore, the transfer of
BPA into the water studied is influenced by the storage time. BPA concentrations in the
same sample increased as storage time increased. This indicates that depolymerization does
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not occur abruptly, but rather as a function of time. This result is in line with those of Sajiki
and Yonekubo [48], who showed that the concentration of BPA increases up until day 35.
Yoshida et al. [49] reported that storage time is an important factor in BPA migration in
products packaged or preserved in plastic containers. A comparison of the results at the two
storage times shows different changes in the BPA content in the packaged water samples
studied. The transfer of BPA from the sachet to the packaged water is not linear over time.
This could be due to the simultaneous degradation of the sachet by physico-chemical and
microbiological factors, which contribute to the release of BPA [50–52]. On the other hand,
the tab of the sachet appears to have no significant impact on the transfer of BPA into the
water, whatever the temperature and/or packaging time.

3.3.3. The Degradation of BPA in Packaged Water

BPA is not constantly increasing in packaged water. It degrades under certain condi-
tions, and its content decreases with time. Figure 4 shows the regression of BPA concentra-
tions at two, four, and eight weeks of storage. Between four and eight weeks, concentrations
decrease as a function of time. This situation can be explained by a degradation or frag-
mentation of BPA as the exposure time increases. BPA in contact with oxygen oxidises
and degrades, especially in the presence of water. Dissolved oxygen is a major player in
the degradation of BPA, and is among the many factors that can also act in this way in
packaged water. This is supported by Staples [53], who states that aerobic degradation
is the dominant process in the decrease or disappearance of bisphenol A in an aquatic
environment. In four weeks, degradation was complete in samples W2 and W6, almost
complete in samples W1, W3, W4, W7, W8, and W9, and low in samples W5 and W10. This
degradation time is close to that of West et al. [54], who found that under aerobic conditions,
BPA degrades for 28 days. Other authors, such as Kang et Kondo [55], who carried out
experiments in aerobic and anaerobic conditions with river water spiked with BPA, have
concluded that BPA degrades rapidly in the presence of oxygen and that oxidation and/or
the effect of anaerobic bacteria have little or virtually no capacity to degrade BPA. This
thesis is supported by most authors, who confirm that BPA degrades in the presence of
oxygen. Its half-life cycle in the environment is 3 to 5 days in the presence of oxygen.
However, it is highly resistant in anoxic aquatic environments, with an assumed half-life
of over a year [56]. Microbiology is also a parameter responsible for the elimination of
BPA. Microbial analyses revealed the presence of the total germs in all the samples studied.
These germs have an optimum growth temperature between 28 and 35 ◦C, which is close
to 39 ◦C, the highest temperature in this study. The results of these analyses are shown in
Table 4. Among these total germs, some are capable of degrading BPA to the point of total
or partial mineralisation. This is also the opinion of a European Commission study which,
in describing the conditions of the biological degradation of BPA, states that 60% would
be mineralised into CO2, 20% would constitute the carbon of bacterial cells, and 20% of
soluble organic carbon would remain in the media [57].

3.3.4. Chloride and pH Effect on BPA Behaviour

Some authors such as Sakai et al. [58] and Yang et al. [59] have also proposed forms
of BPA degradation by specific bacteria, showing that other physico-chemical reactions
may be responsible for BPA degradation. This is the case in reactions with chlorides.
Thus, by monitoring the presence of chloride ions in the samples for the three study
temperatures, it appears that a drop in BPA concentrations is followed by a reduction in
chloride concentration in the packaged water. There is then a possible reaction between BPA
and chlorides to form new chlorinated substances that no longer have the same physico-
chemical characteristics as the initial BPA. This analysis is supported by previous studies
which have shown that chlorides react with BPA to give monochloroBPA, dichloroBPA,
trichloroBPA, and tétrachloroBPA [60]. Table 5 shows changes in chloride concentrations as
a function of time and temperature.
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Table 4. Total germs in packaged water samples.

Samples W1 W2 W3 W4 W5 W6 W7 W8 W9 W10

Total germs at 37 ◦C (CFU/L) 440 572 799 404 76 64 900 784 484 816

Table 5. Chloride content of samples after 60 days of conditioning.

Exposure Temperature
Chloride Concentration (mg/L)

W1 W2 W3 W4 W5 W6 W7 W8 W9 W10

18 ◦C 1.1 0.8 0.8 0.9 0.8 1.0 0.9 0.8 0.9 0.8
29 ◦C 0.9 0.8 0.8 0.9 0.7 0.9 0.8 0.8 0.9 0.7
39 ◦C 0.5 0.6 0.5 0.7 0.6 0.6 0.7 0.7 0.6 0.6

(a) 

(b) 

Figure 4. Cont.
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(c) 

Figure 4. Evolution of BPA in conditioned water as a function of conditioning time and temperature.
(a): 18 ◦C; (b): 19 ◦C; (c): 39 ◦C.

After eight weeks of conditioning, the results show an increased degradation of BPA
in all samples except sample W10 at a temperature of 39 ◦C. This seems to be closely linked
to pH, as observed for only the sample at 39 ◦C with a pH above 8, as shown in Table 6.
This suggests that the degradation of BPA is not very efficient at high pH. Chauveheid
et al. [60] reported in their study of exposure to BPA and its chlorinated derivatives that
degradation of this substance occurs at around pH 7.7 and is clearly ineffective at pH 8.0
and above.

Table 6. pH of samples after 8 weeks of storage.

Exposure Temperature
pH Value

W1 W2 W3 W4 W5 W6 W7 W8 W9 W10

18 ◦C 7.3 7.6 6.9 7.2 7.3 7.2 7.2 7.0 7.2 7.5
29 ◦C 7.5 7.7 7.6 7.3 7.4 7.2 7.6 7.7 7.3 7.8
39 ◦C 7.6 7.8 7.7 7.4 7.5 7.8 7.7 7.9 7.4 8.1

3.4. Trace Metals in Packaged Water

All the packaged water carry an insignia printed in ink. The ink products can therefore
migrate inside the product. These include trace metals. Cadmium is a micropollutant that
can be transferred from the sachet to the water. Cadmium was absent in all samples of the
borehole water sources used for the production. Concentrations varied according to the
temperature and exposure time of the samples. Table 7 shows cadmium levels in packaged
water at different temperatures and as a function of time. Concentrations ranged from 0.0
to 9.7 μg/L. These results show an increase in cadmium concentration in the conditioned
water as a function of temperature and duration of storage. These concentrations increase
as the exposure time increases and/or the temperature rises.
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Table 7. Cadmium content in conditioned water samples.

Temperature
Cd Concentration (μg/L) *

Exposure Time
W1 W2 W3 W4 W5 W6 W7 W8 W9 W10 Average

18 ◦C <DL <DL <DL <DL <DL <DL <DL <DL <DL <DL <DL
3 weeks29 ◦C <DL <DL <DL <DL <DL <DL <DL 0.9 <DL <DL 0.1

39 ◦C 2.0 1.0 2.5 <DL <DL <DL <DL 5.9 <DL <DL 1.1

18 ◦C 1.0 <DL <DL <DL <DL <DL <DL <DL <DL <DL 0.1
6 weeks29 ◦C 1.0 <DL <DL <DL <DL 1.0 3.5 5.1 <DL 0.1 1.1

39 ◦C 2.0 2.5 6.9 1.0 9.7 2.0 6.6 6.2 1.1 7.2 5.9

* The admissible limit for Cd in drinking water in accordance with WHO guidelines is 3 μg/L.

After six weeks of storage, cadmium was found in all the packaged water studied
at 39 ◦C. On the other hand, the trend in Figure 5 shows that the increase in temperature
speeds up the transfer of cadmium to the drinking water. Plastic containers would therefore
be responsible for releasing cadmium into packaged water. This migration of cadmium
from the sachet to the packaged water is influenced by temperature and contact time. As
some sachets have ink marks on the tabs and not on the sachets, we can conclude that the
cadmium is not only in the ink, but also in the composition of the sachet.

Figure 5. Cd evolution in sachet water as a function of time and temperature.

WHO guidelines for drinking water indicate a limit of 3.0 μg/L cadmium in drinking
water. The results of analyses of samples stored for six weeks show that at 18 ◦C and 29 ◦C,
concentrations vary from 0.0 to 5.1 μg/L, with the exception of W8 at 29 ◦C which recorded
a concentration of 5.1 μg/L, above the recommended standard. At 39 ◦C, samples W1, W2,
W4, W6, and W9, with concentrations of less than 3.0 μg/L, complied with the standard,
while samples W3, W5, W7, W8, and W10 had concentrations ranging from 6.6 to 9.7 μg/L,
which were two or three times higher than the limit value. Accordingly, depending on the
temperature and storage time, some packaged waters may become unfit for consumption
because they do not comply with the drinking water standards in force in Burkina Faso.

Table 8 shows the results of iron concentration in the borehole water used as a source
for producing the packaged water. Iron was found in all the samples at concentrations
ranging from 0.10 to 0.45 mg/L. The concentration for samples F1, F2, F3, F4, F5, F7, and
F10 comply with the WHO allowable limit of 0.3 mg/L in drinking water. Samples F6 and
F9, with concentrations of 0.45 and 0.40 mg/L, respectively, exceeded the standard limit.
This excessive amount of iron is thought to be due to dissolution of the rocks followed by
leaching of the soil or cracking of the parent rock [61].
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Table 8. Iron content in borehole water samples.

Water Source F1 F2 F3 F4 F5 F6 F7 F8 F9 F10

Iron concentration (mg/L) 0.25 0.20 0.15 0.30 0.10 0.45 0.25 0.25 0.40 0.10

The impact of environmental conditions such as temperature and storage time on
iron transfer from the container to the water consumed was studied (Figure 6). The iron
present in the borehole water was found to be completely absent in the packaged water
samples W1, W2, W3, W4, W5, and W6, and in small quantities in the packaged water
samples W7, W8, W9, and W10 after three weeks and at 18 ◦C. This can be explained by the
treatment method adopted by the packaged water production units. These units sometimes
use pre-treatment devices that can retain certain minerals such as iron. As the temperature
was increased over time, iron was found in virtually all the samples at increasingly higher
concentrations. Iron, like the cadmium present in the sachets, migrates into the packaged
water as a function of temperature and time (Table 9). This is why iron concentrations are
constantly increasing in packaged water samples. However, according to some authors,
iron reacts with BPA in solution, and its concentration must therefore fall in the water [62].
This could be due to the fact that the quantity of iron released is greater than the quantity of
iron that reacts with bisphenol A. This always gives an increasing trend that does not reveal
this reaction. On the other hand, the absence of or very weak reactions with bisphenol
A can be explained by the fact that many substances (oxygen, chloride, etc.) and many
bacteria already react with BPA. This gives iron little or no opportunity to react with BPA.
In light of Tables 7 and 9, the migration kinetics of the trace metals is not only a function of
the content but also of the alloys between the iron and other trace metals. The degree to
which substances migrate into the contents depends not only on the concentrations and
chemical characteristics of the compounds, but also on the chemical composition of the
plastic [63]. In other words, the presence of certain chemical compounds is likely to create
alliances and prevent the migration of other compounds.

Figure 6. Fe evolution in sachet water as a function of time and temperature.
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Table 9. Iron content in conditioned water samples.

Temperature
Fe Concentration (mg/L)

Exposure Time
W1 W2 W3 W4 W5 W6 W7 W8 W9 W10 Average

18 ◦C <DL <DL <DL <DL <DL <DL 0.015 0.017 0.001 0.009 0.004
3 weeks29 ◦C 0.030 0.036 0.038 0.003 0.043 0.009 0.069 0.064 0.031 0.054 0.037

39 ◦C 0.052 0.039 0.054 0.003 0.082 0.095 0.069 0.081 0.067 0.054 0.059

18 ◦C 0.010 0012 <DL 0.008 0.036 0.032 0.059 0.039 0.044 0.034 0.027
6 weeks29 ◦C 0.032 0.055 0.069 0.016 0.046 0.051 0.080 0.067 0.083 0.086 0.059

39 ◦C 0.076 0.054 0.081 0.100 0.132 0.098 0.086 0.084 0.088 0.102 0.090

4. Conclusions

This study assessed the influence of plastic on the quality of packaged water. The
survey revealed differences in production conditions depending on the size of the packaged
water production structure. Poor storage conditions were found in the places where
packaged water is marketed. All the water sources analysed were BPA-free; some contained
trace metals, but without exceeding the WHO guidelines for drinking water. The sachets are
designed on the basis of BPA to ensure their resistance and transparency, and on the basis of
metallic trace elements to accelerate their biodegradability. Under certain physico-chemical
and biological conditions, these substances can migrate to the contents (packaged water).
During the first thirty days, there was a massive migration of BPA into the water due to
the biodegradation of the plastic, which could, in this case, be considered as a source of
contamination of substances. After thirty days, BPA gradually degraded and began to
disappear after sixty days in some samples. Bottled water contains less BPA when stored at
low temperatures at the start of production (before two weeks) and late after production
(after two months). BPA is toxic depending on the quantity absorbed and the weight of the
consumer. The migration of chemical elements does not depend on the physical nature of
the sachets, but rather on the type of chemical compound and storage conditions. Iron and
cadmium are also used in the manufacture of sachets and constantly migrate into packaged
water due to biodegradation and physico-chemical processes. The geographical location
and the presence or absence of a tab on the sachet did not influence the results obtained.
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Abstract: Parabens are classified as endocrine-disrupting chemicals (EDCs) capable of interfering with
the normal functioning of the thyroid, affecting the proper regulation of the biosynthesis of thyroid
hormones (THs), which is controlled by the hypothalamic–pituitary–thyroid axis (HPT). Given the
crucial role of these hormones in health and the growing evidence of diseases related to thyroid
dysfunction, this review looks at the effects of paraben exposure on the thyroid. In this study, we
considered research carried out in vitro and in vivo and epidemiological studies published between
1951 and 2023, which demonstrated an association between exposure to parabens and dysfunctions of
the HPT axis. In humans, exposure to parabens increases thyroid-stimulating hormone (TSH) levels,
while exposure decreases TSH levels in rodents. The effects on THs levels are also poorly described,
as well as peripheral metabolism. Regardless, recent studies have shown different actions between
different subtypes of parabens on the HPT axis, which allows us to speculate that the mechanism of
action of these parabens is different. Furthermore, studies of exposure to parabens are more evident
in women than in men. Therefore, future studies are needed to clarify the effects of exposure to
parabens and their mechanisms of action on this axis.

Keywords: parabens; toxicity; thyroid; endocrine disruptor; hypothalamus–pituitary–thyroid axis

1. Introduction

The incidence of thyroid dysfunction (TD) has increased worldwide recently, particu-
larly among women. Data from the literature show an increase of TD in women during
reproductive age in a ratio of 4:1 compared to men. Furthermore, thyroid cancer has a
higher incidence in women than in men [1–4], which suggests some influence of hormonal
regulation on the development and establishment of TD. Nevertheless, men can also be
affected by TD.

The HPT axis is a major modulator of synthesis and regulation of the prohormone
tetraiodothyronine (T4) and the active hormone triiodothyronine (T3), both of which are

Int. J. Mol. Sci. 2023, 24, 15246. https://doi.org/10.3390/ijms242015246 https://www.mdpi.com/journal/ijms
471



Int. J. Mol. Sci. 2023, 24, 15246

crucial for the body’s normal growth, development, and homeostasis. In the HPT axis, the
thyrotropin-releasing hormone (TRH) is synthesized and secreted by the hypothalamus.
TRH acts on its receptor in the pituitary, stimulating thyroid-stimulating hormone (TSH),
which acts in the thyroid gland through its receptors, stimulating the production of the
THs (T3 and T4). The THs are responsible for a negative feedback loop that regulates the
secretion of TRH and TSH, reducing THs production and promoting hormone balance in
the body [5–8].

The mechanism of THs synthesis and secretion is very complex and highly regulated
and is influenced by endogenous and exogenous factors. Within this context, environmental
factors, such as nutrients, viruses, and radiation, are determinants for the appearance of
TD, but also the environmental pollution caused by EDCs needs to be considered. Many
studies have reported a relation between EDCs exposure and alterations in the HPT axis
function [9–16]. EDC compounds have been considered one of the major factors associated
with functional disruption of the thyroid [17–22].

According to the Environmental Protection Agency (EPA) U.S., EDCs are any chemicals
that can interfere with the normal functions of the endocrine system and lead to problems
with reproduction (e.g., egg and sperm production) and development (e.g., healthy fetal
growth) in both humans and wildlife [23]. Conversely, according to the World Health
Organization (WHO), EDCs are exogenous substances or mixtures that alter the function(s)
of the endocrine system and consequently cause adverse health effects in an intact organism,
its progeny, or (sub)populations [24].

The EDCs can act by different mechanisms, namely: (1) interacting with or activating
hormone receptors; (2) antagonizing hormone receptors; (3) altering hormone receptor
gene and protein expression; (4) altering signal transduction in hormone-responsive cells;
(5) inducing epigenetic modifications in hormone-producing or hormone-responsive cells;
(6) altering hormone synthesis; (7) altering hormone transport across cell membranes;
(8) altering hormone distribution or circulating levels of hormones; (9) altering hormone
metabolism or clearance; and (10) altering the fate of hormone-producing or hormone-
responsive cells [25]. However, the mechanisms of action of EDCs depend on specific
actions at the cellular and tissue levels, as well as on circadian rhythms, seasonal changes,
life stage, and sex [25].

Finally, EDCs can be classified according to their origin (natural or synthetic) and
grouped according to their chemical composition. Compounds that are excreted by living
beings are considered natural, such as phytoestrogens, flavonoids, and natural estrogens.
Synthetic compounds can be of industrial or domestic origin, including products such as
bisphenols (e.g., plastics), phthalates (e.g., plasticizers), heavy metals, pesticides, retardants
(e.g., computers), and parabens (e.g., cosmetics). The main routes of exposure to these
compounds are dermal, diet, or inhalation [26–29].

An increasing number of studies have been published on the association between
exposure to parabens and endocrine-related diseases, especially in susceptible people, such
as pregnant women and children. However, the physiological mechanisms involved in
exposure to these compounds are still not fully understood, as there are few studies in
the scientific literature that demonstrate the impacts of exposure to these compounds on
the health of organisms. Therefore, we propose to review the evidence in the literature
correlating exposure to parabens and the development of TD with a focus on human and
animal models.

2. Thyroid Morphophysiology: An Overview

In mammals, the thyroid gland is composed of two lobes (right and left) situated
anterolaterally to the trachea. The thyroid tissue is composed of several follicles and a large
amount of blood vessels. The blood vessels in the thyroid are responsible for transporting
oxygen and nutrients to thyroid cells, allowing them to perform their metabolic functions
and produce thyroid hormones in adequate quantities. Additionally, these blood vessels
also help remove waste products and metabolites from thyroid tissue. Finally, the hormones

472



Int. J. Mol. Sci. 2023, 24, 15246

produced in the gland are released into the bloodstream to be distributed throughout the
body. In summary, the blood vessels in the thyroid play a vital role in supporting the thyroid
gland’s function, ensuring the proper distribution and production of thyroid hormones.
To a lesser extent, the parafollicular C cells produce calcitonin, which, together with the
parathyroid hormone produced in the parathyroid, acts on calcium metabolism [30–32].
The main functional part of this gland is the thyroid follicle, which is widely distributed
along the thyroid and is supported by loose connective tissue. These follicles are oval-
shaped structures with a three-dimensional configuration, and their lumen is composed of
colloid, a gelatinous substance composed of iodinated and non-iodinated thyroglobulin
(TG), diiodothyronine (DIT), monoiodothyronine (MIT), T3, and T4. The lining of the
follicle is composed of epithelial cells called follicular cells and thyrocytes, which can be
cuboidal or squamous depending on the pituitary stimulus to produce the THs [33–36].

The main compound of the colloid is TG, a glycoprotein synthesized by follicular cells
with tyrosine residues in its composition. TSH, by binding to the TSH receptor (TSHr)
located in the basal domain, stimulates the production of several proteins involved in the
synthesis of THs, such as TG. This precursor protein of THs has a sequence dominated by
several cysteine-rich domains, a molecular weight equivalent to 600 kDa, and remarkable
stability and solubility due to many disulfide bridges per monomer and about seventeen
glycosylation sites. After its synthesis in thyrocytes, TG is secreted into the colloid, where
it is stored. The synthesis and secretion of THs are dependent on iodine, and thus, TSH
stimulates iodine uptake against the concentration gradient, increasing ion concentrations
in the cell cytoplasm and in the follicle lumen. Thus, in the apical membrane of follicular
cells, tyrosine residues are iodinated to iodotyrosine by thyroid peroxidase (TPO), an
enzyme that produces THs in a reaction dependent on hydrogen peroxide, produced by
the enzyme DUOX (Dual oxidase), which is also present in this region of the cell. After
this step, a portion of the colloid undergoes endocytosis by thyrocytes and digestion by
the action of cytoplasmic lysosomes. The TG is proteolyzed and releases free TH into the
cytoplasm which will later be directed to the bloodstream. The remaining iodide from
this reaction is recycled by the action of thyroid dehalogenase (Dehal1) and used again for
hormone biosynthesis [37–42].

Hydrogen peroxide production is an essential step for iodide oxidation and thyroglob-
ulin iodination for THs biosynthesis. In the thyroid, the oxidases Dual oxidase 1 (DUOX1)
and Dual oxidase 2 (DUOX2) stand out, which are members of the NADPH oxidase (NOX)
family of oxidoreductase enzymes, which are dependent on calcium to generate hydrogen
peroxide. Under normal conditions, dual oxidases are highly expressed in the thyroid and
other tissues (salivary gland, gastrointestinal tract). However, DUOX1 and DUOX2 are
expressed only under physiological conditions in the thyroid [43]. There is 83% sequence
similarity between DUOX1 and DUOX2, but they are differently regulated via direct phos-
phorylation: DUOX1 is activated by protein kinase A and DUOX2 is activated by protein
kinase C. Both pathways are activated by calcium [44–46].

It is well established in the literature that TPO uses the hydrogen peroxide produced
by DUOX to promote the oxidation of dietary iodine, which is then captured with the aid
of the sodium/iodide symporter (NIS). This oxidized iodine is coupled to the tyrosine
residues present in thyroglobulin, thus promoting the synthesis of THs. Although hydrogen
peroxide is crucial for the biosynthesis of THs, when found in high concentrations of
reactive oxygen species (ROS) in the body, it can have adverse effects on health. ROS
include the superoxide anion (O2

−), hydrogen peroxide, and hydroxyl radicals (OH),
among others [47,48].

ROS formation can occur through enzymatic or non-enzymatic reactions when there
is an imbalance between prooxidant factors and their elimination. This can be related
to the action of endogenous or exogenous factors and can lead to a range of molecular
damage [49–55]. The maintenance of redox homeostasis is promoted by molecules with
antioxidant potential, which act in the regulation of ROS production and elimination. For
this reason, the thyroid has a highly complex antioxidant system to protect its integrity, as
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it is continuously exposed to ROS for normal function and THs biosynthesis [56]. Some
enzymes reduce ROS by minimizing or delaying the effects caused by these reactive
species, providing a primary antioxidant defense, such as catalase, superoxide dismutase,
glutathione peroxidase, and glutathione reductase [54–59].

3. Parabens

Parabens are chemical compounds classified as alkyl esters of parahydroxybenzoic
acid (PHBA). Common parabens include benzylparaben (BeP), butylparaben (BuP), ethyl-
paraben (EP), methylparaben (MP), and propylparaben (PP), which have structural dif-
ferences between them (Table 1). These compounds show antifungal and antimicrobial
potential and are widely used as preservatives in food, beverages, drugs, papers, and
personal care products [60,61]. The main source of exposure is dermal absorption, but
ingestion of products containing parabens is also an important pathway of exposure in the
general population [62–64]. After ingestion, parabens are absorbed in the gastrointestinal
tract and hydrolyzed by intestinal and liver esterases. The main metabolite is parahydroxy-
benzoic acid (PHBA), which is excreted as p-hydroxyhippuric acid (PHHA) in urine, bile,
and feces within 24 to 48 h, making urinary paraben concentrations used as long-term
urinary biomarkers in studies investigating human exposure levels [65–71].

Table 1. Chemical characteristics of parabens.

Class No. CAS
Molecular

Weight (g/mol)
Chemical
Formula

Chemical Structure

Benzylparaben 94-18-8 228.2433 C14H12O3

Butylparaben 94-26-8 194.2271 C11H14O3

Ethylparaben 120-47-8 166.1739 C9H10O3

 

Methylparaben 99-76-3 152.1473 C8H8O3

Propylparaben 94-13-3 180.2005 C10H12O3

The indiscriminate use of these compounds in various products has aroused scientific
interest in the effects of exposure to parabens. Since then, it has been shown that parabens
have a potential estrogenic action capable of interfering with the body’s homeostasis and
thus could be classified as an EDC [72–74]. To regulate the use of parabens in Brazil,
the Agência Nacional de Vigilância Sanitaria (ANVISA, Brazil) allows the use of up to
0.4% of individual parabens and up to 0.8% of conjugated parabens in personal care
products, but there are no restrictions on the use of parabens in food products, except
for propylparaben, which was banned [75]. In the European Union (EU), the maximum
permissible use concentration is 0.4% for MP or EP and 0.19% for BuP or PP. As for its use
in food, the European Food Safety Authority (EFSA) determines that the acceptable daily
intake concentration is up to 10 mg/kg/day for MP or BuP [76,77].
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In 2004, the EFSA review panel determined the No Observed Adverse Effect Level
(NOAEL) for MP and EP to be 1000 mg/kg/day but considered that more data were needed
to determine a specific NOAEL value for propylparaben [76]. Later, in 2008, the Cosmetic
Ingredient Review (CIR) Expert Panel reviewed the safety assessment of MP, EP, PP, IPP,
BuP, IBP, and BeP in cosmetic products, where it was determined that the NOAEL was
1000 mg /kg/day based on the results of Hoberman et al. (2008), which was considered
the “most statistically powerful and well-conducted study on the effects of butylparaben
on the male reproductive system” [77–79].

Despite this, several studies have demonstrated the harmful effects of exposure to
parabens on the general population’s health, even at concentrations considered safe by
ANVISA (Brazilian Health Regulatory Agency), raising a series of concerns. Several
parabens have also been found in human biological samples [80–85]. In samples of blood
and breast milk, concentrations of 0.62 ng/mL of MP, 1.03 ng/mL of EP, 0.18 ng/mL of PP,
and 0.05 ng/mL of BuP were found [82]. These compounds were also found in placental
tissue samples, with concentrations of up to 11.77 ng/g of MP, EP, and PP [83]. In another
study, concentrations between 0.14 and 0.50 μg/L of PP were also found in amniotic fluid
samples [84]. Furthermore, EP concentrations between 0.13 and 0.16 μg/L were found in
umbilical cord blood samples, and PP between 0.21 and 0.43 μg/L and BuP between 0.04
and 0.05 μg/L were found in men and women [85]. This suggests that parabens can cross
the blood–placental barrier and affect fetal development during pregnancy. In addition,
there is much evidence that exposure to parabens can interfere with the homeostasis
of the thyroid gland, affecting the levels of synthesis and secretion of THs in different
experimental models [85–87].

In the following sections, we will address the main effects of parabens on the proper
functioning of THs based on articles published between 1951 and 2023. The searches were
carried out on the PubMed platform using the terms “thyroid” and “paraben”, and the
first article directly related to the parabens was published in 1881. Tables 2–4 are organized
according to the different types of parabens and their effects on the HPT axis.

Table 2. Effects of butylparaben on thyroid function.

Model Exposure/Dose/Analyses Main Results References

Human (men)
Serum hormone analysis of Inhibin,
FSH, LH, testosterone, estradiol, TSH,
T3, and T4.

BuP was associated with ↑ TSH, T4, fT4
after 96 h of exposure. [66]

Pregnant women
(12–14 weeks)

Urine collection at 3 different
gestational moments (16–20, 20–24,
24–28 gestation weeks) and hormone
analyses.

BuP was associated with ↑ estradiol
and progesterone with ↓ fT3 and fT4 at
visit 3. tT3 and TSH levels did not
change between visits.

[88]

Pregnant women—Boston
(>15 weeks)

Collection of urine and blood at 4
different gestational moments (9, 17, 26,
and 35 weeks of gestation).

BuP was associated with ↓ T3, ↓ T3/T4
ratio, and ↑ TSH. [89]

Pregnant women—Puerto
Rico

Urine collection at 3 different
gestational moments (16–20, 20–24,
24–28 weeks of gestation).

Exposure to BuP has been associated
with ↓ SHBG. [90]

Pregnant women
Collection of maternal urine on the day
of delivery and collection of umbilical
cord blood for hormone measurement.

BuP is associated with ↑ boys’ body
weight at birth. [72]

Male Wistar rats

Oral exposure BuP (10 mg/kg/day),
BuP (50 mg/kg/day), and BuP+TCS
(triclosan) (50 mg+10 mg/kg/day) for
60 days.

BuP (50 mg/kg/d) was associated with
↑ TSH and ↓ T3 and T4. [91]
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Table 2. Cont.

Model Exposure/Dose/Analyses Main Results References

Female Wistar rats
Subcutaneous administration of BuP at
doses of 1, 5, and 10 mg/kg/day for 7
and 21 days.

↑ TSH in BuP1 at 7 and 21 days; ↓ fT4
and tT4 at all concentrations (7 and 21
days); ↑ fT3, tT3, and TPO in SP1 and
SP5 at 7 and 21 days.

[28]

Zebrafish larvae
Larvae were exposed to the following
concentrations: 0, 2, 5, and 10 μM of
BuP.

↓ T4 levels at most concentrations
tested (BuP 5 and 10 μM) and ↓ T3
levels at all concentrations tested. That
exposure also led to an increase in TSH
gene expression at all concentrations of
BuP.

[92]

Table 3. Effects of benzylparaben, isopropylparaben, isobutylparaben, and propylparaben on thyroid
function.

Model Exposure/Dose/Analyses Main Results References

Female Sprague Dawley rats

Oral exposure to MP, EP, PP,
isopropylparaben (IPP), BuP, and
isobutylparaben (IBP) (62.5; 250 and
1000 mg/kg/day) from the 21st to the
40th postnatal day.

PP and IPP were associated with ↓ T4
and estradiol and changes in thyroid
weight.

[93]

Male and female Sprague
Dawley rats

Injections of IPP, IBP, or mixture of IPP
and IBP at 50, 100, 300, and 600 mg/kg
bw dissolved in 100 mL of ethanol
(99%), 5 days per week for 28 days.

The mixture of IPP and IBP induces a
decrease of TSH in exposed individuals
at an exposure of 600 mg/kg bw.

[94]

Pregnant women (PROTECT)

Blood collection at two different
gestational moments for measurement
of SHBG, TSH, fT3, fT4, and
progesterone/estradiol ratio; urine
collection for detection of phenols and
parabens by high-performance liquid
chromatography (HPLC).

↑ estradiol and progesterone at the last
visit; ↓ fT3 and fT4 at the last visit with
no changes in TSH levels.

[88]

Pregnant women—Puerto
Rico

Urine and blood collection at 4 time
points during pregnancy. Parabens
were detected in urine by
chromatography. In the blood, tT4, fT4,
TSH, and T3 were measured.

PP was inversely associated with fT4. [89]

Pregnant women—California

Urine and blood collection in the
second gestational trimester and blood
collection from neonates for
measurement of tT4 and TSH.

PP was inversely associated with TSH
levels with no changes in tT4 levels. [95]

Pregnant women—Puerto
Rico

Urine collection at 3 different
gestational moments (16–20, 20–24,
24–28 weeks of gestation).

Exposure to PP was associated with ↓
SHBG and T3/T4 ratio. [90]

Human (population of
Wuhan, China)

Urine collection and detection of MP,
EP, and PP.

PP has been associated with an
increased risk of thyroid cancer. [96]

Newborn human

Newborn blood spots were collected as
part of the neonatal screening program,
TSH and tT4 were assessed using
immunofluorescence.

BuP increased TSH and decreased T4
hormone levels have been
demonstrated in newborns and women
with less than 150 μg/L of iodine.

[97]
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Table 3. Cont.

Model Exposure/Dose/Analyses Main Results References

Amphibian tadpoles Oral exposure to PP (0.05; 0.5 and
5 mg/L) for 14 days.

An increase in PP concentrations in
water has been associated with an acute
toxic effect.

[87]

Zebrafish larvae
Larvae were exposed to the following
concentrations: 0, 5, 10, and 20 μM of
PP.

Serum T3 and T4 concentrations
decreased at all concentrations tested.
In 10 and 20 μM groups, PP increases
TSH gene expression.

[92]

Table 4. Effects of ethylparaben and methylparaben on thyroid function.

Model Exposure/Dose/Analyses Main Results References

Human

Urine samples were collected from
patients at Wuhan Central Hospital who
had thyroid disease and required surgery.
Some types of parabens were detected in
these samples, such as MP, EP, and PP.

MP and EP were found in urine samples
in 99.06%, 95.29%, and 92%, respectively.
There was a ↑ concentration of all
parabens in the urine of both the nodule
and cancer groups. MP and EP were
associated with a benign nodule,
especially when in higher concentrations.
All three parabens studied were
associated with an increased risk of
thyroid cancer, with EP having the
greatest association.

[96]

Mother—children

Urine samples from mothers of newborns
were collected on the day of delivery. The
concentrations of 5 parabens were
determined by chromatography.
Umbilical cord blood was collected
immediately after birth, in which tT3, tT4,
fT3, fT4, TSH, anti-TPO, and anti-TG
were measured.

MP and EP were detected in the urine of
the evaluated mothers. EP was positively
related to increased tT3 in the umbilical
cord and to anti-TPO. EP was correlated
with increased birth weight in boys, but
not in girls.

[72]

Human—Korea

Population study with 1254 people from
Korea. Urine samples from this
population were collected for analysis of
the presence of EDC. Blood serum
samples were also collected for
measurement of tT4 and fT4, tT3 and fT3,
TSH, anti-TPO, anti-thyroglobulin,
thyroxine-binding globulin (TBG), and
iodothyronine deiodinase (DIO) activity.

Parabens were found in most of the
studied population (more than 90%). MP
showed a positive association with
altered levels of tT3. The increase in MP
and EP parabens was correlated with an
increase in TBG.

[59]

Pregnant women—Puerto
Rico

Urine collection at 3 different gestational
moments (16–20, 20–24, 24–28 weeks of
gestation).

MP was associated with a decrease in
SHBG. MP leads to a significant decrease
in TSH and a decrease in the T3/T4 ratio
particularly at weeks 24–28 of gestation.

[90]

Pregnant
women—California

Urine and blood collection in the second
gestational trimester and blood collection
from neonates for measurement of tT4
and TSH.

MP was inversely associated with TSH
levels with no changes in tT4 levels. [95]

Pregnant women—Puerto
Rico

Urine and blood collection at 4 time
points during pregnancy. Parabens were
detected in urine by chromatography. In
the blood, tT4, fT4, TSH, and T3 were
measured.

Urine samples that tested positive for the
presence of MP were associated with
increased T3 and negatively associated
with fT4 at gestational age less than
21 weeks.

[89]
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Table 4. Cont.

Model Exposure/Dose/Analyses Main Results References

Pregnant women
(12–14 weeks)

Urine collection at 3 different gestational
moments (16–20, 20–24, 24–28 gestation
weeks) and hormone analyses.

MP (293 ng/mL) was associated with a
7.70% increase in SHBG. [98]

Human

Urine samples from a representative
portion of the US population to assess
urinary concentrations of triclosan and
parabens.

Inverse associations have been found
between parabens and circulating levels
of thyroid hormones in adults, where
women appear to be more vulnerable to
exposure.

[99]

Mother–children

Maternal blood was collected during the
first prenatal care visit for TSH
measurement. MP was detected in
meconium samples from newborns.

MP exposure leads to a decrease in
gestational age, a significant change in
newborn weight, and a decrease in
maternal TSH levels. In addition, MP in
meconium was associated with about a
16% decrease in tT3 and a decrease in fT4.
MP may influence maternal thyroid
physiology during pregnancy, and this
may lead to the development of ADHD.

[81]

Mother–twin pairs

MP was extracted from urine samples of
pregnant women using liquid-liquid
extraction. Neonatal TSH levels were
abstracted from medical records in China.

MP exposure in early pregnancy was
associated with an increased intra-twin
TSH difference.

[100]

Wistar rats Oral exposure for 90 days to BPA
(50 mg/kg) or BPA+MP (250 mg/kg).

A minimal thyroid receptor antagonistic
effect was only observed after treatment
with BPA+MP. MP demonstrated
antioxidant properties by reducing lipid
peroxidation and generation of hydroxyl
radicals induced by exposure to BPA.

[101]

Zebrafish larvae
Larvae were exposed to the following
concentrations: 0, 20, 50, and 100 μM of
EP and 0, 20, 100, and 200 μM of MP.

Serum T3 concentrations decreased at
most concentrations tested (EP at 50,
100 μM and MP at 20, 100, and 200 μM)
and T4 concentrations decreased at all
concentrations tested.

[92]

3.1. Parabens and TSH

The pituitary gland is an endocrine gland responsible for commanding and regulating
various functions in the body. Located in the midline region of the brain within the Sella
turcica, it consists of two portions of distinct embryological origin: the adenohypophysis
and the neurohypophysis. The adenohypophysis comprises the thyrotrophs, the cells
responsible for the synthesis and secretion of the TSH, which act in the thyroid gland [88].

Organisms exposed to EDCs appear to have the pituitary gland as a potential target of
these compounds, which can lead to growth-related disturbances, metabolic dysfunctions,
and alterations in reproduction and homeostasis. Although the action of EDCs on the HPT
axis is not entirely clear, it is already known that these compounds can interfere with and
change the HPT axis functions [102,103].

3.1.1. Parabens and TSH in Human

Hu et al. (2023) conducted a study in Wuhan, China, and found a positive association
between exposure to MP in early pregnancy and a significant increase in TSH concentration
in female twins [100]. An important function of TSH is to regulate the input of iodine
into thyroid follicular cells. Coiffier et al. (2023) evaluated mother–child pairs from the
French cohort and found an increase in TSH levels in boys and girls exposed to BuP [97].
Berger et al. (2018) demonstrated that the serum of pregnant women living in agricultural
regions in Northern California presented reductions in TSH levels in association with
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concentrations of MP and PP in the urine samples [95]. Aker et al. (2019) found, in
pregnancy samples originating from Puerto Rico, a general decrease in TSH in association
with parabens detection, particularly MP, between 16–20 weeks of gestation [90]. Baker
et al. (2020) studied a prospective cohort in Canada with meconium samples and found a
positive correlation with the presence of MP in newborns who were later diagnosed with
attention-deficit hyperactivity disorder (ADHD) [81]. The study showed that MP exposure
can lead to a decrease in gestational age, a significant change in newborn weight, and a
decrease in maternal TSH levels that can lead to thyroid complications in children [81]. The
homeostasis and correct functioning of TSH and its target gland are important factors for
the development and growth of a healthy organism, and it seems that exposure to parabens
can lead to a decrease in TSH levels. There are still not many studies that describe changes
in TSH levels due to exposure to parabens and a possible relationship with neurological
diseases. Despite this, there are positive correlations that endocrine disruptors, such as
bisphenol A and chlorpyrifos, can lead to the development of behavioral diseases and that
dysregulation in the HPT axis can be a target of the agents and explain the relationships
described [90,104,105]. Age, duration, and the method of exposure may potentially have an
impact on how parabens can affect TSH levels. Moreover, there might be several unreported
mechanisms of action that also play a role in influencing hormonal levels. Despite the
poor description of the effects of TSH levels when parabens are present in humans, studies
seem to indicate that parabens can change TSH levels and that it could lead to problems in
human health (Figure 1).

Figure 1. Main effects of exposure to parabens on human health [90,95,97,100]. (A) Effects of paraben
exposureduring pregnancy on the HPT axis hormones and maternal and newborn health. (B) Effects
of general human exposure to parabens on the HPT axis hormones. Legend: BuP—butylparaben;
EP—ethylparaben; MP—methylparaben; PP—propylparaben; TSH—thyroid-stimulating hormone;
THs—thyroid hormones; fT4—free thyroxine levels; fT3—free triiodothyronine levels; tT4—total
thyroxine levels; tT3—total triiodothyronine levels. This figure was made using the Canva platform.

3.1.2. Parabens and TSH in Rodents

In murine models, some studies have shown how this exposure can affect the HPT
axis. Gogoi, P. and Kalita, J.C. (2020) demonstrated that healthy adult female rats exposed
to BuP for 7 and 21 days at low doses (1, 5, and 10 mg/kg BW/day) presented an increase
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in TSH levels, which caused an increase in the activity and gene expression of thyroid
peroxidase and a decrease in the activity of type 1 iodothyronine deiodinase, both enzymes
related to thyroid hormone biosynthesis [28]. Another study that used male rats treated
for 28 days with a mixture of isopropylparaben (IPP) and isobutylparaben (IBP) (dermal
exposure) at a dose of 600 mg/kg/day was able to induce a significant decrease in TSH
levels in exposed animals compared to non-exposed animals. This finding shows that
these compounds may have a synergistic action [94]. The dose used in this study was
approximately three times greater than the known estimated level of human exposure
to a single isolated paraben since it is difficult to estimate the total dose of parabens to
which the human body is exposed daily [94]. Studies involving TSH and parabens are
scarce, although there is some evidence that exposure to these agents leads to changes in
TSH levels (Figure 2). The mechanisms involved in this pathway are not clear, and further
studies are needed for a better understanding of the effects related to these agents, both in
isolation and in combination, on the pituitary gland and on TSH levels. Little is discussed
about the effects of exposure on the hypothalamus, and there are not many studies on
how exposure to parabens affects TRH levels; perhaps exposure to parabens can affect the
production and binding of TRH to its receptors as well as also affect feedback from thyroid
hormones on the axis.

 

Figure 2. Main effects of exposure to parabens on rodents. Effects of parabens exposure in
the HPT axis of female and male rodents. Legend: BuP—butylparaben; IBP—isobutylparaben;
IPP—isopropylparaben; PP—propylparaben; TSH—thyroid-stimulating hormone; fT4—free thyrox-
ine levels; fT3—free triiodothyronine levels; tT4—total thyroxine levels; tT3—total triiodothyronine
levels. This figure was made using the Canva platform.

3.2. Parabens and Thyroid Hormones

THs are essential for development, growth, and metabolism, playing a key role in
mammalian neurodevelopment. Therefore, alterations in the synthesis and secretion of
these hormones can cause important disturbances in organisms. The literature demon-
strates that exposure to parabens causes DNA damage [106], affects cell proliferative
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potency [106], and promotes tumorigenic processes [98], leading to a series of harmful
effects on the health of individuals. Experimental studies have shown that exposure to
parabens resulted in endocrine disturbances and adverse health effects. These compounds
potentially bind to hormone receptors, interfering with the levels of synthesis and secretion
of these hormones, relating to the increase or decrease in hormone action [107].

3.2.1. Parabens and Thyroid Hormones in Human

A prospective study conducted with pregnant women between 16 and 28 weeks of
gestation in Puerto Rico (PROTECT) evaluated associations between parabens and repro-
ductive hormones and urinary paraben concentrations for quantitative analysis. Serum
samples were collected at three different time points of pregnancy for measurement of sex
hormone-binding globulin (SHBG), thyroid-stimulating hormone (TSH), free thyroxine
(fT3), free thyroxine (fT4), and progesterone/estradiol ratio. It was shown that progesterone
and estradiol increased, and SHBG showed a tendency to increase throughout pregnancy,
while fT4 and fT3 decreased without changes in TSH levels, raising some concerns regard-
ing the correct fetal development, as maternal thyroid hormones are essential for the fetus
throughout pregnancy [98]. Furthermore, another study conducted in Boston demonstrated
that MP was associated with an increase in fT3 and fT4 levels at 15 weeks of gestation and
BuP was associated with a decrease in fT3. However, after 20 gestational weeks, MP was
associated with an increase in fT3 and a decrease in fT4, indicating that the impacts of
exposure to parabens on the thyroid feedback and signaling system vary according to the
moment of exposure throughout pregnancy [88].

In addition, epidemiological studies have shown the relationship between thyroid hor-
mone disbalance and parabens exposure. According to data obtained from the 2007–2008
National Health and Nutrition Examination Survey (NHANES), increased levels of EP and
PP in human urine samples were associated with reductions in tT4 levels in female and
male serum samples, as well as fT4 in female serum. It was also shown that the serum level
of fT3 was negatively associated with EP, PP, and BuP levels in adult females but not in
serum samples from males [89]. In another study, high concentrations of parabens were
found in urine samples from men compared to the levels found in women’s urine sam-
ples, demonstrating that parabens can be found routinely in both men and women [103],
suggesting that further association studies of various chemicals should be performed with
potential common sources of exposure.

Several epidemiological studies have associated exposure to a variety of parabens
found in human biological samples (ranging in concentrations between 0.1 and 38 μg/L),
with disruption of thyroid function in humans, such as disruption of THs and TSH home-
ostasis in serum [88,89,97–99,108,109]. Furthermore, it has also been demonstrated that al-
tered THs levels may be associated with an increased incidence of multiple tumors [110,111].
These data demonstrate that the effects of parabens on the THs are controversial, making it
necessary to conduct more studies (experimental and epidemiological) to investigate the
cellular and molecular mechanisms involved in exposure to parabens since these effects
are not yet fully elucidated. In the same manner, good epidemiological studies have been
conducted to establish a relationship between parabens exposure and thyroid dysfunctions,
especially in pregnant women (Figure 1B).

3.2.2. Parabens and Thyroid Hormones in Rodents

A study carried out with male Wistar rats evaluated the effects of exposure to BuP
(50 mg/kg/day) for 60 days on the HPT axis, demonstrating an increase in TSH levels and a
decrease in fT4 levels as a response to oxidative stress resulting from conversion of parabens
to glutathione hydroquinone conjugates by reaction with singlet oxygen and glutathione.
Furthermore, decreased fT4 production may affect the antioxidant system and contribute to
the generation of oxidative stress through catalase (peroxidase) modulation [112]. The effect
of paraben on the HPT axis was reinforced by another study, which demonstrated that
exposure to MP and BuP (1000 mg/kg/day) for 20 days decreased T4 levels and increased
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thyroid mass [93]. In contrast, another study carried out with pregnant rats exposed to
EP (400 mg/kg/day) and BuP (200 and 400 mg/kg/day) for 14 days did not demonstrate
significant changes in maternal or newborn THs serum levels [86].

3.2.3. Parabens and Thyroid Hormones in Vertebrates

A study with Zebrafish larvae showed that exposure to EP (0, 20, 50, and 100 μM), PP
(0, 5, 10, and 20 μM), BuP (0, 2, 5, and 10 μM), and MP (0, 20, 100, and 200 μM) between 2
and 120 h post-fertilization (hpf) was able to decrease THs concentrations in most tested
concentrations, and this exposure also showed a negative correlation with the survival
rate of larvae. Furthermore, it has also been demonstrated that the toxicity of parabens
increased according to the length of the alkyl carbon chain group, and the order of toxicity
was BuP > PP > EP > MP (Figure 3A). These results reinforce the effects of exposure to
these compounds on organisms in general, leading to a series of deleterious effects even on
zebrafish larvae and affecting correct development by interfering with the correct synthesis
and secretion of THs, as THs are fundamental for the processes of proliferation, migration,
differentiation, and neuronal signaling, as well as brain myelination during neurodevel-
opment. Any interference in the levels of THs at this stage of development would have
serious consequences for neurodevelopment, leading to several morphofunctional and
physiological consequences, including the possibility of affecting the juvenile development
process of these animals [91].

 

Figure 3. Main effects of exposure to parabens on vertebrates. (A) Consequences of paraben exposure
in zebrafish larvae. The blue arrow indicates the effects of paraben exposure on the larvae’s thyroid
gland, resulting in a decrease in thyroid hormones (THs). The studied parabens are listed below the
larva in order of toxicity: BuP > PP > EP > MP. (B) Impacts of paraben exposure on tadpoles. On the
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left side of the image, we can see water with high levels of propylparaben (PP). Tadpoles exposed to
parabens in the water experience a significant mortality rate, as shown on the right side of the image.
The decrease in PP levels in the water indicates that tadpoles absorb PP from the water, accumulating
the substance in their bodies. This figure was made using the Canva platform. Legend: THs—thyroid
hormones; BuP—butylparaben; PP—propylparaben; EP—ethylparaben; MP—methylparaben.

In another experimental model, the authors evaluated the effects of exposure to envi-
ronmental pollutants on tadpole metamorphosis. In this study, no significant differences
were observed in the metamorphosis of tadpoles (between 12- and 14 days post fertilization)
exposed to low concentrations of PP (5 mg/L) for 14 days and control animals. However,
the authors observed a high mortality rate of tadpoles exposed to the highest concentration
of PP (12.5 mg/L), revealing an acute toxic effect at increased concentrations of PP. In
addition, a decrease in PP concentrations was also observed in the water after two days of
exposure, indicating its rapid absorption (Figure 3B). This suggests that prolonged exposure
to this compound may result in changes in the endocrine system of these individuals, even
at low concentrations [87].

4. Conclusions

The studies presented in this review provide evidence, both from epidemiological
and experimental models, of an association between paraben exposure and HPT axis
dysfunctions. Previous studies have already correlated exposure to EDCs and disturbances
in this axis. Although parabens are a class of EDCs widely used in industry, there are
few studies that describe their effects on the HPT axis. We first pooled studies describing
pituitary effects resulting from exposure to parabens. Although scarce, these studies
described distinct effects. The data on humans are conflicting; however, there is a greater
number of studies describing a decrease in TSH levels in humans compared to those that
found increased TSH levels. In rodents, exposure appears to decrease TSH levels. Perhaps
age, duration, dose, and mode of exposure may influence how parabens can affect TSH
levels. Although the HPT axis functions similarly in rodents and humans, the sensitivity to
paraben exposure can vary. Therefore, more investigation should be done to understand
this discrepancy. We must also consider the possibility that the dose, timing, tissue response,
and other variables may have altered these species-specific reactions.

Additionally, there could be various other yet undescribed mechanisms of action that
influence the effects on hormone levels. Effects on THs levels are also poorly described.
However, recent studies have shown different actions between different types of parabens
on the HPT axis. While EP, PP, and BuP were associated with THs decrease, MP was
associated with THs increase. This only allows us to speculate that the mechanisms of
action of these parabens are different. Furthermore, studies of exposure to parabens are
more evident in women and scarce in men. Women are more likely to have thyroid disease
than men, and this difference may be due to the female thyroid gland having a higher
amount of oxidative stress [59,113]. Additionally, a variety of thyroid-related processes,
including iodide uptake, thyroperoxidase activity, and hydrogen peroxide production,
which are necessary for the synthesis of thyroid hormones, seem to be impacted by gender
and estrogen [114]. Compared to the male thyroid, the female thyroid is more susceptible
to estrogen. In contrast to their male counterparts, adult female rats produce more reactive
oxygen species (ROS) under the control of estrogen. Finally, disruption of estrogenic and
androgenic receptors was caused by methylparaben, indicating that parabens may have
estrogenic effects [93,115,116].

Therefore, future studies are needed to clarify the effects of exposure to different
parabens and their mechanisms of action on the HPT axis since, between 1951 and 2023,
few studies were published that show the effects of exposure to these compounds, and
the mechanisms of action, as well as the physiological and/or molecular effects of these
compounds in the organism, are still not fully known. To establish/characterize the effects
of parabens exposure on human health in more detail, we will require more epidemiological
research that makes use of large human cohorts from various world areas and life stages.
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Finally, to prevent thyroid illnesses, we recommend that regulatory agencies and WHO
work more effectively to limit human exposure to parabens.
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Abstract: Bisphenol A (BPA) exposure has been widely linked to endocrine-disrupting effects. Re-
cently, many substitutes for BPA have been developed as safe structural analogs. However, they
have still been reported to have similar adverse effects. The current study evaluated the effects
of bisphenol A and eight structural analogs on the transcription of estrogen receptor alpha (ERα).
The effects of binary and ternary mixtures prepared from different combinations of BPA analogs
were also evaluated for transcription activity. The measured data of the mixtures were compared
to the predicted data obtained by the full logistic model, and the model deviation ratio (MDR) was
calculated to determine whether the effects were synergistic, antagonistic, or additive. Overall, the
results suggest that the effect of bisphenol compound are additive in binary and ternary mixtures.

Keywords: endocrine disruption; mixture toxicity; estrogen receptor; bisphenol A; BPA analogs

1. Introduction

Bisphenol A [BPA, 4′4-(Propane-2,2-diyl)diphenol] is a crystalline solid substance
used in the production of epoxy resins and polycarbonate plastics, which are found in
many consumer and industrial products. Generally, humans are exposed to BPA through
food packaging materials, water bottles, and lacquer coatings for cans. Furthermore,
occupational workers are also exposed through direct contact with skin or inhalation. Due
to its increased production and use worldwide (several million tons every year), it is now
ubiquitously found in the environment including air, water, soil, house dust, and foodstuffs,
as well as in human samples such as urine, blood, amniotic fluid, saliva, and breast
milk [1–3]. BPA exposure has been widely linked to adverse health effects; it is known to be
associated with the incidence of growth disruption, halting normal development, infertility,
endocrine system disruption, immune system suppression, and carcinogenicity in animal
models and epidemiological human studies [4–6]. BPA interacts with several biological
receptors such as estrogen receptor (ER), androgen receptor (AR), and thyroid hormone
receptor (THR), resulting in endocrine-disrupting effects. These effects lead to adverse
outcomes such as reproductive and developmental issues in the offspring, reproductive
dysfunction, neurotoxicity, mutagenesis, and even cancer development [7–11].

Due to the adverse health effects caused by BPA, the European Union (EU) and
many countries including the United States (US), Canada, China, Japan, and Korea have
successively enacted laws and regulations to restrict or prohibit the use of BPA. The US
Food and Drug Administration (FDA) banned its use in food packaging in 2010; the
EU banned its use in baby bottles in 2011; the European Food Safety Authority (EFSA)
established a tolerable daily intake of 50 μg/kg/day in 2015; the European Chemicals
Agency (ECHA) recognized it as an endocrine disruptor in humans in 2017. However,
despite the regulations, BPA is still used in various fields including healthcare [5,12].

In recent years, the BPA structural analogs such as Bisphenol AF (BPAF), Bisphenol
B (BPB), Bisphenol F (BPF), Bisphenol S (BPS), and Bisphenol Z (BPZ) have increasingly
been adopted due to the hazard of BPA [13]. However, the reports on the endocrine tox-
icity of these analogs are increasing [14–16]. BPS, although it has been introduced as a
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safe, is known to have similar endocrine toxicity to BPA. Interactions between BPS and
estrogen receptor alpha (ERα), subsequent disruption of the reproductive neuroendocrine
system and immunotoxic potential via receptor binding have been evaluated in several
studies. BPS was also found to alter the secretion of progesterone and estradiol in cultured
ovine granulosa cells, which disrupts steroidogenesis [17,18]. Kitamura et al. reported the
endocrine-disrupting activity of BPA and 19 related compounds. In the reports, several
BPA analogs exhibited estrogenic activity in the human breast cancer cell line MCF-7 [19].
Testicular toxicity of BPS, BPAF, and tetrabromobisphenol A (TBBPA) was also investigated
in mouse spermatogonial cells, and they exhibited higher toxicities including dose- and
time-dependent alterations in nuclear morphology and cell cycle, DNA damage responses,
and perturbation of the cytoskeleton [20]. To evaluate the toxicity potential of BPA substi-
tutes, a toxicokinetic study was also performed after oral and intravenous administration
in pigs [21]. Bioavailability and the internal dose of the substitutes are well-known key
factors for the evaluation of human exposure risk. A test using Diaphanosomacelebensis,
BPA, BPS, and BPF showed transcriptional modulation of genes which is related to the
ecdysteroid pathway, indicating that these compounds can disrupt the normal endocrine
system function of D. celebensis [22].

In human biomonitoring studies of BPA exposure, BPA and its substitutes were
measured in the same blood and/or urine samples. This suggested that the co-deposition
in target organs may increase the risk of bisphenol compounds [23,24]. It is therefore
necessary to evaluate mixtures of bisphenol compounds to obtain a more realistic and
reliable assessment of health risks compared to assessing individual chemicals [25]. Even
with the increasing reports on the exposure of a mixture of bisphenol compounds, only a
few of them have been published on the estrogenic activity of the mixtures [26,27]. Some
tests on the mixture effects of BPA were performed with non-bisphenol compounds such
as heavy metals, phthalates, and alkylphenols [28–30].

In this study, BPA and its eight analogs were selected and screened for estrogen
receptor alpha (ERα) transactivation activity (agonistic/antagonistic) based on the OECD
Test guideline 455 using HeLa 9903 cells [31]. Some of the compounds were found to be
agonists, some were antagonists, and some showed no effects. After the evaluation of
the single compounds, the transcriptional activity of binary and ternary mixtures (with
combinations of agonist/agonist and antagonist/antagonist) was evaluated. In addition,
calculated prediction values of the mixtures using the full logistic model (FLM) were
also obtained and compared with the measured values. This study aimed to provide a
concept for the prediction of endocrine-disrupting effects of bisphenol compounds that
are simultaneously exposed to humans. The results of this study will help to develop and
implement regulations for numerous BPA compound mixtures found in consumer products
with potential endocrine-disrupting properties.

2. Materials and Methods

2.1. Test Chemicals

Test chemicals of BPA and its analogs were purchased from Sigma-Aldrich (St. Louis,
MO, USA) and Tokyo Chemical Industry (TCI, Tokyo, Japan). They were first dissolved in
90% Dimethyl sulfoxide (DMSO) and then serially diluted to prepare test concentrations.
The final concentration of the DMSO in media was 0.1%. The chemical name, abbrevia-
tion, structure, CAS number, test concentrations, and vendors are shown in Table 1. The
reference chemicals for ERα transactivation assay, 17α-estradiol, and tamoxifen, were
purchased from Sigma-Aldrich, and flutamide, 17β-estradiol (E2), corticosterone, and
17α-methyltestosterone were purchased from Tokyo Chemical Industry.
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Table 1. Bisphenol A and its structural analogues for estrogen receptor transactivation assay.

No. Chemical Name CAS No. M.W. Test Con. (M) Vendors Structure

1 4,4′-Isopropylidenediphenol
(BPA) 80-05-7 228.29 10−11–10−5 A

2
4,4′-

(Hexafluoroisopropylidene)diphenol
(BPAF)

1478-61-1 336.23 10−11–10−5 A

3 2,2-Bis(4-hydroxyphenyl)butane
(BPB) 77-40-7 242.32 10−11–10−5 B

4
2,2-Bis(4-hydroxy-3-

methylphenyl)propane
(BPC)

79-97-0 256.35 10−11–10−5 B
 

5 4,4′-Ethylidenediphenol (BPE) 2081-08-05 214.26 10−11–10−5 B

6
α,α′-Bis(4-hydroxyphenyl)-1,4-

diisopropylbenzene
(BPP)

2167-51-3 346.46 10−11–10−6 B

7 4-Benzyloxyphenyl 4-Hydroxyphenyl
Sulfone (BPS-MPE) 63134-33-8 340.39 10−11–10−6 B

 

8 4,4′-Cyclohexylidenebisphenol
(BPZ) 843-55-0 268.35 10−11–10−5 A

9 2,4′-Dihydroxydiphenyl Sulfone
(2,4-BPS) 5397-34-2 250.27 10−11–10−6 B

 

A: Sigma-Aldrich; B: Tokyo Chemical Industry.

2.2. Cell Culture

The hERα-HeLa-9903 (HeLa 9903) cell line (JCRB1318), which expresses human estro-
gen receptor α (hERα), was obtained from the Japanese Collection of Research Bioresources
(JCRB) cell bank (Osaka, Japan), and cultured in phenol red-free Eagle’s minimum essential
medium (EMEM) supplemented with 10% dextran-coated charcoal-treated fetal bovine
serum (DCC-FBS) and kanamycin (60 mg/L). Plastic wares with no estrogenic activity were
used in this study according to OECD TG 455 [31].

2.3. Cytotoxicity Test

To achieve the appropriate test chemicals concentration for transactivation assay, the cy-
totoxicity tests were performed using 3-(4,5-Dimethylthiazol-2-yl)-2,5-Diphenyltetrazolium
Bromide (MTT) assay. After 24 h stabilization in 96-well plates, HeLa 9903 cells were
treated with test chemicals at wide ranges of concentrations (10−11 M~10−3 M) for 24 h.
After exposure, 100 μL of the MTT solution (5 mg/mL) was added, and the cells were
incubated for 2 h at 37 ◦C. The cells were treated with 100 μL of DMSO to solubilize
the purple formazan, and the absorbance was quantified at 570 nm using the microplate
spectrophotometer system (Spark®, TECAN, Männedorf, Switzerland). The concentration
at which cell viability began to decrease was selected as the highest concentration for the
ERα transactivation assay.
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2.4. Preparation of Mixtures

Binary mixtures were prepared by combining two bisphenol compounds; agonist/agonist,
and antagonist/antagonist. For the test concentrations of binary mixtures, the highest
test concentration (master solution) was achieved by mixing individual chemicals where
the final concentration was designed to be 100-fold EC50 of the individual compound
for the agonist, and 100-fold IC50 of the individual compound for the antagonist (equi-
effect basis). EC50 and IC50 are shown in Table 2. The assay was designed to obtain
full concentration–response curve. The master solution of each binary mixture was then
serially diluted for testing. Ternary mixtures were prepared by combining three bisphenol
compounds—agonist/agonist/agonist, and antagonist/antagonist/antagonist—where the
final concentration was designed to be 100-fold EC50 of the individual compound for the
agonist, and 100-fold IC50 of the individual compound for the antagonist (equi-effect basis).
In the case of BPB, the EC50 was too high to prepare 100-fold mixtures due to cytotoxicity
at the master solution. So, the mixture containing BPB was designed to be 0.05-fold in
binary mixture, and 0.25-fold in ternary mixture, as described in Table 3. Information on the
master solution of the binary and ternary mixtures is presented in Table 3. No cytotoxicity
was observed at the master solution.

Table 2. Chemicals for mixture preparations and their parameters obtained from concentration–
response curves of agonistic activity or antagonistic activity.

Chemicals
EC50 IC50

MIN MAX Hill Slope
(M) (Log M) (M) (Log M)

Agonist

BPA 2.31 × 10−7 −6.64 - - 2.66 95.14 0.66
BPAF 2.40 × 10−7 −6.62 - - 5.00 93.34 1.11
BPB 2.72 × 10−4 −3.57 - - −6.41 424.1 0.32
BPC 2.91 × 10−7 −6.54 - - −3.95 180.3 0.45
BPE 1.04 × 10−7 −6.98 - - 2.12 120.6 7.36
BPZ 3.26 × 10−7 −6.49 - - 4.04 108.5 1.52

Antagonist
BPP - - 1.62 × 10−7 −6.79 −5.64 92.12 −0.56

BPS-MPE - - 1.63 × 10−7 −6.79 −4.52 96.26 −0.51
2,4-BPS - - 1.50 × 10−8 −7.83 19.75 93.86 −0.40

The parameters were calculated using GraphPad Prism. EC: effective concentration; MIN: minimum values of the
curves; MAX: maximum values of the curves.

Table 3. Concentrations and ratios of component chemicals in the master solution of mixtures.

Chemicals
Ind. Conc.

(M)

Total Conc.
Ratio

(M) (Log M)

Binary

Ago + Ago

BPA + BPAF 2.3 × 10−5 + 2.4 × 10−5 4.7 × 10−5 −4.33 1.0:1.0
BPA + BPB (1) 1.2 × 10−8 +1.4 × 10−5 1.4 × 10−5 −4.87 1.0:1174.6

BPA + BPC 2.3 × 10−5 + 2.9 × 10−5 5.2 × 10−5 −4.28 1.0:1.3.0
BPA + BPE 2.3 × 10−5 + 1.1 × 10−5 3.4 × 10−5 −4.47 1.0:2.2
BPA + BPZ 2.3 × 10−5 + 3.3 × 10−5 5.6 × 10−5 −4.25 1.0:1.4

Anta + Anta
BPS-MPE + BPP 1.6 × 10−5 + 1.6 × 10−5 3.3 × 10−5 −4.49 1.0:1.0
2,4-BPS + BPP 1.5 × 10−6 + 1.6 × 10−5 1.8 × 10−5 −4.75 1.0:10.8

2,4-BPS + BPS-MPE 1.5 × 10−6 + 1.6 × 10−5 1.8 × 10−5 −4.75 1.0:10.9

Ternary
Ago + Ago + Ago

BPA + BPAF + BPZ 2.3 × 10−5 + 2.4 × 10−5 + 3.3 × 10−5 8.0 × 10−5 −4.10 1.0:1.0:1.4
BPAF + BPZ + BPB (2) 6.0 × 10−8 + 8.1 × 10−8 + 6.8 × 10−5 6.8 × 10−5 −4.17 1.0:1.4:1131.6
BPE + BPC + BPB (2) 2.6 × 10−8 + 7.3 × 10−8 + 6.8 × 10−5 6.8 × 10−5 −4.17 1.0:2.8:2611.0

BPE + BPA + BPC 1.0 × 10−5 + 2.3 × 10−5 + 2.9 × 10−5 6.3 × 10−5 −4.20 1.0:2.2:2.8
BPC + BPZ + BPB (2) 7.3 × 10−8 + 8.1 × 10−8 + 6.8 × 10−5 6.8 × 10−5 −4.17 1.0:1.1:935.6

Anta + Anta + Anta 2,4-BPS + BPP + BPS-MPE 1.5 × 10−6 + 1.6 × 10−5 + 1.6 × 10−5 3.4 × 10−5 −4.47 1.0:10.8:10.9

The concentration of component chemicals in master solutions are 100-fold EC50 (agonists) or 100-fold IC50
(antagonists) except the mixture (1) and (2). The master solution was diluted serially for the assay as designated in
the figures. (1): The concentration of component chemicals in master solutions are 0.05 × EC50 (agonists). (2): The
concentration of component chemicals in master solutions are 0.25 × EC50 (agonists).
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2.5. Stably Transfected Transactivation (STTA) Assay for Estrogen Receptor Alpha

For the estrogen receptor agonist and antagonist tests, the ERa transactivation assay
was performed based on the OECD TG 455 using cultured HeLa 9903 cells, which stably
express the ERα gene containing a firefly luciferase gene as the reporter gene [31]. After
subculturing the cells to a density of 75~90% in a 100 mm culture dish, the cells were
transferred to a 96-well plate at 1 × 104 cells/100 μL/well, stabilized for 3 h, and then
treated with the test chemicals for 24 h. After exposure, the luciferase activity was measured
using a commercial luciferase assay reagent (E2510, Promega, Maidison, WI, USA). For the
ERα transcription agonist assay, the normalized mean value of the luminescence signal
(Luciferase activity) of the test wells was divided by that of the positive chemical (1 nM
17β-estradiol) to obtain relative transcriptional activity. The concentration–response curves
of the test chemicals were processed to calculate the PC10 and PC50 values, which show 10%
and 50% of the transcriptional activity of positive chemicals, respectively, using software
provided by the OECD Test guideline. 17β-estradiol, 17α-estradiol, 17α-methyltestosterone,
and corticosterone were used as the reference chemicals for the ERα transactivation assay
to monitor the stability of the assay system. For the antagonist assay, test wells were spiked
with 25 pM 17β-estradiol. Tamoxifen and flutamide were used as reference chemicals. The
normalized mean value of the luminescence signal (Luciferase activity) of the test wells
was divided by that of spiked 25 pM 17β-estradiol (100%) to obtain relative transcriptional
activity. RPCMax for the agonist and IC30 values for the antagonist were used for the
positive and negative decision criteria, according to the OECD TG 455. The calculations of
PC10, PC50, and RPCMax in ERα agonist assay and IC30 and IC50 in ERα antagonist assay
can be made by using the spreadsheet available together with the Test Guideline on the
OECD public website [32,33].

2.6. The Prediction of ERα Transactivation of the Mixtures by the Full Logistic Model

The mixture’s ERα transactivation assay was performed as described above and the
measured data were obtained. Estimation of ERα transactivation by the chemical mixtures
was performed with the full logistic model (FLM) with GraphPad Prism (V.9.3, Dan Diego,
CA, USA) [34–36]. FLM used four parameters including Hill slope, the maximum and
minimum response values, and EC50 of individual chemicals. The equation for FLM was
as follows:

Emix =

⎡
⎢⎣MAX1 +

MIN1 − MAX1

1 +
(

C1
EC50,1

+ C2
EC50,2

)P1

⎤
⎥⎦·
⎡
⎣ C1

EC50,1(
C1

EC50,1
+ C2

EC50,2

)
⎤
⎦+

⎡
⎢⎣MAX2 +

MIN2 − MAX2

1 +
(

C2
EC50,2

+ C1
EC50,1

)P2

⎤
⎥⎦·
⎡
⎣ C2

EC50,2(
C2

EC50,2
+ C1

EC50,1

)
⎤
⎦

MAX: the maximal value of the dose–response curve in the test of individual chemicals;
MIN: the minimal value of the dose–response curve in the test of individual chemicals;
EC50: the half value of maximal effective concentration;
P: hill slope;
C: the concentration of individual chemicals in the test mixture;
The number indicates individual chemicals in the test mixture.

The model for the prediction of the mixture effect is based on the concentration–
response curves of each chemical component obtained by the ERα transactivation assay.
The parameters of the concentration–response curves for the individual chemicals were
calculated using GraphPad Prism, as shown in Table 2. The parameter values were substi-
tuted into the FLM formulas. The measured values were compared to the predicted values
obtained by the FLM.

2.7. The Assessment of Model Deviation Ratio (MDR)

To verify the difference between the measured and the predicted results, the Model
Deviation Ratio (MDR) approach was applied. MDR is defined as the ratio obtained by
dividing the expected value by the measured value at respective concentrations [37,38]. In
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this study, the ratio between the predicted effects calculated by FLM and the measured
values at seven concentration points was obtained. MDR values lower than 0.50 are
indicators of the synergistic behavior of compounds present in a mixture while values over
2.00 justify the statement of antagonistic action. MDR values within 0.50~2.00 indicate
additive activity.

3. Results

3.1. Cell Viability and Test Concentration

To determine the appropriate test concentrations of the test chemicals, a cytotoxicity
test was performed using the MTT assay, and the results are shown in Figure 1. The highest
test concentration for transactivation assay, which was the concentration that showed the
initial decrease in viability, was chosen from the cytotoxicity data, and most chemicals
showed a decrease in viability at a concentration of 10−5~10−4 M. The dotted lines in the
figure indicate 80% viability compared with the media control group, which is the baseline
for the determination of the highest concentration for the ERα transactivation assay. The
concentration which showed a viability of less than 80% was not applied to the assay.

Figure 1. Effects of test chemicals on the viability of cultured HeLa 9903 cells. Cell viability was
assessed by MTT assays, and the results are presented as a percentage of the control group viability.
Cells were treated with indicated concentrations for 24 h. The results represent the means of three
separate experiments, and the bars represent the standard error. The dotted line in the figure
represents a viability of 80%. The figure shows the cytotoxicity of the chemicals that showed positive
results in the agonistic or antagonistic tests of estrogen receptor transactivation (n = 3). (A): Bisphenol
A (BPA), Bisphenol AF (BPAF), Bisphenol B (BPB), Bisphenol C (BPC), and Bisphenol E (BPE);
(B): Bisphenol P (BPP), Bisphenol S(BPS)-MPE, 2,4-dihydroydiphenyl sulfone (2,4-BPS), and Bisphenol
Z (BPZ).

3.2. Effects of Bisphenol A and Its Analogs on ERα Transactivation: Agonist Assay

The estrogenic activities of BPA and its eight analogs were evaluated based on OECD
TG 455. For the agonist assay of ERα transactivation in cultured HeLa 9903 cells, the
reference chemicals 17β-estradiol, 17α-estradiol, and 17α-methyltestosterone and corticos-
terone were first tested. As shown in Figure 2A, concentration–response transactivation
was induced by 17β-estradiol, 17α-estradiol, and 17α-methyltestosterone, with different
potencies and efficacies. The results for the reference chemicals were very similar to those
provided in the test guideline. When the cultured cells were treated with corticosterone, no
sign of transactivation was observed in all the test concentrations, 10−10~10−4 M, as shown
in TG 455. These results confirmed the validity of the performance criteria for the agonist
assay in this study.

496



Toxics 2023, 11, 986

Figure 2. Agonistic assay of bisphenol compounds for estrogenic receptor alpha (ERα) transcriptional
activity in cultured HeLa 9903 cell line. The cells were incubated with different concentrations of the
respective bisphenol compounds based on the results of the cytotoxicity test, and a transactivation
assay was performed. For the ERα transcription agonist assay, the normalized mean values of the
luminescence signal (Luciferase activity) of the test wells were divided by that of the positive chemical
(1 nM 17β-estradiol) to obtain the relative transcriptional activity. (A): The results of reference
chemicals; 17β-estradiol, 17α-estradiol, and 17α-methyltestosterone induced ERα transactivation,
while corticosterone showed no activity. (B): BPA, BPAF, BPB; (C): BPC, BPE, BPZ; (D): BPS-MPE,
2,4-BPS, BPP. Three separate experiments were performed in the transactivation assay and data were
represented as mean ± standard error.

BPA and its analogs BPAF, BPB, BPC, BPE, and BPZ showed ERα transactivation
agonistic activities toward ERα transcription. The concentration–response curves of the
chemicals with agonistic effects are shown in Figure 2B,C. BPS-MPE, 2,4-BPS, and BPP did
not exhibit agonistic activity (Figure 2D). RPCMax, PC10, and PC50 of individual chemicals
which showed ERα agonistic effects were obtained from the concentration–response curve
by using the spreadsheet provided by the OECD TG 455 and are presented in Table 4.

3.3. Effects of Bisphenol A and Its Analogs on ERα Transactivation: Antagnoist Assay

Tamoxifen and flutamide, as reference chemicals in the antagonist assay, were tested
first, and the results are shown in Figure 3A. As shown in the figure, tamoxifen inhibited the
ERα transactivation which was elevated by spiked 25 pM 17β-estradiol. The concentration
of tamoxifen used in the test was 10−10~10−5 M. The inhibitory activity was observed
from a concentration of 10−8 M, and 50% inhibition was significant at 10−7 M. However,
flutamide did not show any antagonistic effects in all the test concentrations. The results of
the reference chemicals were very similar to those provided in the test guideline, confirming
the validity of the performance criteria for the antagonist assay in this study.
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Table 4. Parameters obtained from concentration–response curves of agonists or antagonists for the
estrogen receptor transactivation.

Chemicals RPCMax (%)
PC10 PC50 IC30 IC50

(Log M) (Log M) (Log M) (Log M)

Agonist

BPA 88.35 −8.36 −6.63 - -
BPAF 91.34 −8.35 −6.57 - -
BPB 104.53 −8.16 −6.00 - -
BPC 148.20 −9.24 −7.33 - -
BPE 138.06 −8.42 −7.07 - -
BPZ 107.87 −7.87 −6.58 - -

Antagonist
BPP - - - −7.39 −6.68

BPS-MPE - - - −7.57 −6.74
2,4-BPS - - - −8.84 −8.00

PC: positive concentration; IC: inhibition concentration; RPCMax: maximum level of response induced by a test
chemical, expressed as a percentage of the response induced by 1 nM 17β-estradiol (positive chemical) on the
same plate. The parameters were obtained using the spreadsheet provided by the OECD Test guideline.

Figure 3. Antagonistic assay of bisphenol compounds for estrogenic receptor alpha (ERα) transcrip-
tional activity in cultured HeLa 9903 cell line. The cells were incubated with different concentrations
of bisphenol compounds based on the results of the cytotoxicity test, and an antagonistic assay was
performed. For the antagonist assay, test wells were spiked with 25 pM 17β-estradiol. The normalized
mean values of the luminescence signal (Luciferase activity) of the test wells were divided by that of
the spiked-in control (100%) to obtain the relative transcriptional activity. (A): Tamoxifen (positive)
and flutamide (negative) were used as the reference chemicals. (B): BPS-MPE, 2,4-BPS, and BPP
showed positive antagonistic activity to the ERα transactivation. (C): BPA, BPAF, BPB, BPC, BPE,
and BPZ did not show antagonistic activity to the 17β-estradiol-activated ERα transcription. Three
separate experiments were performed in transactivation assay, and data were represented as mean ±
standard error.

BPP, BPS-MPE, and 2,4-BPS did not show the agonistic activity of ERα transactivation
but showed antagonistic activity as shown in Figure 3B. The six chemicals (BPA, BPB, BPC,
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BPE, and BPZ) which showed agonistic effects on the ERα transactivation, did not inhibit
ERα transcription activated by 25 pM 17β-estradiol in all the test concentrations (Figure 3C).
IC30 and IC50 of the individual chemicals which showed ERα antagonistic effects were
obtained from the concentration–response curve using the spreadsheet provided by the
OECD TG 455 and are presented in Table 4.

3.4. ERα Transactivation of Binary Mixtures
3.4.1. Mixtures of Agonist/Agonist

The binary mixtures of BPA and other agonistic bisphenol compounds (BPAF, BPB,
BPC, BPE, and BPZ), were prepared by mixing equi-effect concentrations as described in
the methods section and agonistic effects of the binary mixtures were assayed. The results
were compared to the predicted data obtained using FLM. The concentration–response
curves of the binary mixtures (both the measured and the predicted values) are shown
in Figure 4. As shown in the figures, the ERα transactivation increased as the mixture
concentration increased both in the measured and predicted data. Furthermore, patterns
of concentration–response curves of the measured and the predicted were very similar.
The measured curves were very close to the predicted curves, respectively, which did not
expect synergism or antagonism.

Figure 4. Effects of binary mixtures (Agonist + Agonist) on the estrogen receptor transcriptional
activity: a comparison of the measured and the predicted values. For the test concentrations of binary
mixtures, the highest concentration (master solution) was achieved by mixing the individual chemi-
cals where the final concentration of each chemical was designed to be 100-fold EC50, respectively,
for the full concentration–response curve. In case of BPB, the EC50 was too high to prepare 100-fold
mixtures due to cytotoxicity at the master solution. So, the mixture containing BPB was designed to
be 0.05-fold in binary mixture. The solution of the highest concentration was then serially diluted to
measure the ERα transactivation. The measured results were shown with the predicted ones obtained
by the full logistic model. The compositions of binary mixtures were as follows: (A): BPA + BPAF;
(B): BPA + BPB; (C): BPA + BPC; (D): BPA + BPE; (E): BPA + BPZ. Three separate experiments were
performed in the transactivation assay and data were represented as mean ± standard error.
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The RPCMax (%), PC10, and PC50 were also very similar as shown in Table 5. Due to the
same mode of action of the individual compounds, the mixture effect of binary bisphenol
compounds seemed to be additive. When we calculated the model deviation ratio (MDR),
most of the ratios were more than 0.5 and less than 2, which means that they were not in
the range of synergism or antagonism.

Table 5. Parameters obtained from concentration–response curves of binary mixtures for the estrogen
receptor transactivation.

Chemicals
RPCMax (%) PC10 (Log M) PC50 (Log M) IC30 (Log M) IC50 (Log M)

Meas Pred Meas Pred Meas Pred Meas Pred Meas Pred

Ago + Ago

BPA + BPAF 96.7 92.8 −9.43 −8.16 −6.74 −6.63 - - - -
BPA + BPB 134.6 146.0 −6.79 <−7.56 −5.78 −5.54 - - - -
BPA + BPC 121.6 128.7 −9.12 −8.84 −7.22 −7.06 - - - -
BPA + BPE 96.8 106.5 −7.97 −8.00 −6.44 −6.86 - - - -
BPA + BPZ 100.8 100.4 −9.72 −8.00 −6.44 −6.65 - - - -

Anta + Anta
BPS-MPE + BPP 101.2 90.7 - - - - −7.35 −7.77 −6.26 −6.98
2,4-BPS + BPP 98.8 88.7 - - - - −8.01 −8.00 −7.16 −7.06

BPS-MPE + 2,4-BPS 99.0 90.2 - - - - −8.10 −7.94 −7.26 −7.00

Ago: agonist; Anta: antagonist; Meas: measured values; Pred: predicted values; PC: positive concentration;
IC: inhibition concentration; RPCMax: maximum level of response. The parameters were obtained using the
spreadsheet provided by the OECD TG 455.

3.4.2. Mixtures of Antagonist/Antagonist

The binary mixtures were prepared by mixing two compounds with an equi-effect
ratio of IC50 as described in the methods section. Three mixtures were prepared: BPS-
MPE/BPP, 2,4-BPS/BPP, and BPS-MPE/2,4-BPS. The highest test concentration of the
binary mixture was based on the IC50 of each compound, and the concentration was serially
diluted. Test wells were spiked with 25 pM 17β-estradiol, and the normalized mean values
of the luminescence signal (luciferase activity) of the test wells were divided by that of
spiked control (100%). Concentration–response curves of binary mixtures of the antagonist
compounds, both the measured and the predicted, are shown in Figure 5. As shown in the
figure, the measured curves were very close to the predicted curves, respectively, which
did not expect the synergism or antagonism. When the parameters of the concentration–
response curves were calculated, they were also very similar as shown in Table 5. The
MDRs, calculated as the ratio of the expected values and the measured values in the test
concentrations, were within 0.50~2.00 indicating additive activity.

3.5. ERα Transactivation of Ternary Mixtures

A mixture of three antagonists (BPP, BPS-MPE, and 2,4-BPS) was prepared and tested
for the antagonistic effects on ERα transactivation activated by 25 pM 17β-estradiol. As
described in the methods section, the highest test concentration of the ternary mixture for
antagonist assay was based on the sum of IC50 of respective individual compounds. The
mixture of three antagonists (BPS-MPE, 2,4-BPS, and BPP) also showed an antagonistic
effect as shown in Figure 6A. Five ternary mixtures prepared by combining six agonists
(BPA, BPAF, BPB, BPC, BPE, and BPZ) were tested for the agonistic effect on ERα trans-
activation. The highest test concentration of the ternary mixture for agonist assay was
based on the EC50s of the respective individual three compounds. The results are shown in
Figure 6B–F. Similarly to the binary mixtures, the concentration–response parameters of
ternary mixtures also showed similarity between the measured and the predicted results,
as shown in Table 6.
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Figure 5. Effects of binary mixtures (Antagonist + Antagonist) on the estrogen receptor transcriptional
activity: a comparison of the measured and the predicted values. For the test concentrations of binary
mixtures, the highest concentration (master solution) was achieved by mixing the individual chemi-
cals where the final concentration of each chemical was designed to be 100-fold IC50, respectively,
for full concentration–response curve. The solution of the highest concentration was then diluted
for the measurement of antagonistic activity. Test wells were spiked with 25 pM 17β-estradiol. The
normalized mean values of the luminescence signal (Luciferase activity) of the test wells were divided
by that of the spiked-in control (100%) to obtain the relative transcriptional activity of the binary
mixture. The measured results were shown with the predicted ones obtained by the full logistic
model. The compositions of binary mixtures were as follows: (A): BPS-MPE + BPP; (B): 2,4-BPS + BPP;
(C): BPS-MPE + 2,4-BPS. Three separate experiments were performed in the transactivation assay
and data were represented as mean ± standard error.

Table 6. Parameters obtained from concentration–response curves of ternary mixtures for the estrogen
receptor transactivation.

Chemicals
RPCMax (%) PC10 (Log M) PC50 (Log M) IC30 (Log M) IC50 (Log M)

Meas Pred Meas Pred Meas Pred Meas Pred Meas Pred

BPA + BPAF + BPZ 106.1 98.2 −8.50 −7.95 −6.33 −6.61 - - - -
BPAF + BPZ + BPB 104.1 95.4 −8.00 −7.73 −5.60 −5.17 - - - -
BPB + BPC + BPE 97.9 89.7 −8.00 −7.23 −5.03 −5.15 - - - -
BPC + BPE + BPA 129.8 127.0 −8.53 −8.61 −6.40 −6.94 - - - -
BPZ + BPB + BPC 105.8 108.7 −8.26 −7.51 −5.48 −5.40 - - - -

BPS-MPE + 2,4-BPS + BPP 97.6 89.1 - - - - −7.65 −7.91 −6.71 −7.00

Meas: measured values; Pred: predicted values; PC: positive concentration; IC: inhibition concentration; RPCMax:
maximum level of response. The parameters were obtained using the spread sheet provided by the OECD
Test guideline.
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Figure 6. Effects of ternary mixtures on the estrogen receptor transcriptional activity: a comparison
of the measured results and the predicted results. For the test concentrations of ternary mixtures, the
highest test concentration was achieved by mixing the individual chemicals where the final concen-
tration of each chemical was designed to be 100-fold EC50, respectively, for the full concentration–
response curve. In the case of BPB, the EC50 was too high to prepare 100-fold mixtures due to
cytotoxicity at the master solution. So, the mixture containing BPB was designed to be 0.25-fold
in ternary mixture. The concentration of component chemicals in master solutions was designed
for the full concentration–response curve. The solution of the highest test concentration was then
diluted for the measurement and prediction of ERα transactivation. The components of ternary
mixtures for antagonists (A) and agonists (B–F) are described in the figures. The measured results of
concentration–response curves are shown with the predicted ones obtained by the full logistic model.
Three separate experiments were performed in the transcription assay and data were represented as
mean ± standard error.

4. Discussion

Although the substitutes of BPA have been developed for safety or more useful
products, these analogs also have adverse effects on the endocrine system. BPA and BPAF
have been shown to activate the ERα and ERβ, while BPA (>100 nM) has a strong effect
compared to BPAF (>1000 nM) [39]. On the ER transcriptional assay performed by Liu
et al. in another study, BPAF, BPB, BPC, BPE, and BPZ were reported to function as full
activators or agonists for ERα, but they completely inhibited the ERβ [40,41].

In our previous study, BPA, BPF, and BPS showed strong ERα transcriptional activ-
ity [29]. BPB has been demonstrated to be anti-androgenic as well as estrogenic and was
also found to exert higher estrogenic activity than BPA [42,43]. In this study, as shown in
Table 4, the RPCMax of the BPC was higher and PC50 was lower than those of BPA, which
supports the strong estrogenic activity of BPC. The estrogenic activity was in this order,
BPC > BPE > BPZ > BPB > BPAF > BPA when they were compared based on the RPCMax.
It suggested that the BPA substitutes may also have strong endocrine-disrupting effects.
Other BPA analogs including BPP, BPS-MPE, and 2,4-BPS did not show agonistic effects on
the ERα transactivation but showed antagonistic effects (Figures 2D and 3).
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Compared to BPS, only a few studies on 2,4-BPS and BPS-MPE have been reported.
BPS is known to have strong agonistic activity in ERα transactivation, and the RPCMax of
ERα transactivation was shown to be 72% [32]. However, BPS-MPE and 2,4-BPS, which
are the structural analogs of BPS, did not show agonistic activity but showed antagonistic
activity in this study. The antagonistic activity of 2,4-BPS was stronger than that of BPS-
MPE, compared based on LogIC50, as shown in Table 4. Further investigations on the
differences in the effects of BPS and 2,4-BPS are necessary because the two compounds are
structurally similar and are only different in the position of the hydroxyl group. BPP also
has antagonistic activity. Only a few reports for the BPP are available on the endocrine-
disrupting effects [44].

Recently, an association study on the combined exposures to bisphenol compounds
and endocrine disruption has been reported, where the concentration of BPA, BPF, and BPS
in the urine of pregnant women was analyzed and the birth outcome was investigated [45].
Furthermore, it has been reported that the hazard index for the deterioration of semen
quality might be increased by the combined exposure to a mixture of BPA, BPF, and
BPS [46]. A study on the association of bisphenol compounds with odds of polycystic
ovarian syndrome (PCOS) in women of childbearing age, showed that mixed exposure to
seven bisphenol compounds (BPA, BPAP, BPAF, BPB, BPS, BPP, and BPZ) was found to
be positively associated with the odds of PCOS (odds ratio = 1.26), while the odds ratio
of single bisphenol compounds was less than 1 [47]. Although the independent action of
bisphenol compound has been the main principle in mixture toxicity, co-exposure to these
chemicals may induce hazardous health effects potentially associated with a complex body
burden of different origins [25].

In our study, binary or ternary mixtures of bisphenol A and its structural analogs
were evaluated for the interaction of single compounds on the ERα transactivation. When
the mixtures were prepared and tested, they showed additive activity in both the ago-
nists/agonist and antagonists/antagonist preparations in the test concentrations
(Figures 4–6). There were no significant differences between the measured values and
the predicted values. The MDR values were more than 0.5 and less than 2, which indicated
the additive activity. Many chemicals with estrogenic activity could be contained in con-
sumer products and may be exposed to humans simultaneously. Therefore, the mixture
toxicity of estrogenic chemicals in consumer products needs to be assessed. However, the
combinations of chemicals, the number of compounds, and the concentration of individual
components in the mixture are too numerous to test efficiently. According to our study, we
found that the measured ERα transcription activity results closely matched the calculated
results obtained from FLM. This suggests that it may not be necessary to conduct a separate
test for each combined mixture. Understanding the parameters of concentration–response
curves for each chemical component, however, allows one to determine the transcription
activity of multiple mixtures. Additionally, the in silico model used in this study may
provide a good tool for the prediction of an in vitro transcription assay.

5. Conclusions

Bisphenol A and its eight substitutes, BPAF, BPB, BPC, BPE, BPP, BPS-MPE, BPZ, and
2,4-BPS, which are used in the manufacture of industrial and consumer products were
selected and evaluated for the transactivation of estrogen receptor alpha (ER α). The test
methods were based on the OECD TG 455. Among the chemicals, six compounds were
found to be agonistic, and three compounds were antagonistic to the ERα transcription
activity. Binary and ternary mixtures including different combinations of agonist/agonist
and antagonist/antagonist were prepared on an equi-effect concentration basis and tested
for ERα transcription activity. The activity of the mixtures showed concentration-dependent
responses. The concentration–response curves were also predicted by using FLM. The
measured and the predicted response curves showed close similarities. Overall results
suggest that the effect of bisphenol compound is additive in binary and ternary mixtures.
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