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Abstract: In response to the severe fragmentation of Elkhorn coral, Acropora palmata (Lamarck, 1816), 
stands caused by a major winter swell (“Holy Swell”) in March 2008, an emergency community-
based low-tech restoration was initiated in Vega Baja, Puerto Rico. Over a 15-year period, coral de-
mographic performance and fish assemblages were monitored across four restored and four control 
(non-restored) 100 m2 plots. The restoration effort proved to be highly successful, leading to suc-
cessful coral survival and growth, and to sustained recovery of fish assemblages, particularly her-
bivore guilds. Significantly increased abundance, biomass, and diversity were observed across all 
trophic functional groups, fishery target species, and geo-ecological functional groups in both re-
stored and control plots. These positive outcomes were attributed to enhanced spatial complexity 
by long-term coral growth, “nutrient hotspots” within restored plots, the refugia effect from en-
hanced benthic spatial complexity, and the recovery of fish dispersal paths promoting spillover ef-
fects from restored to adjacent non-restored areas. Restoring herbivore guilds and geo-ecological 
functional groups played a crucial role in restoring vital ecological processes promoting reef eco-
system resilience. Recommendations include integrating fish assemblage recovery into coral resto-
ration strategies, establishing natural coral nursery plots for future coral sourcing, and incorporat-
ing the concept of nursery seascapes for a holistic and ecosystem-based approach to restoration. 

Keywords: Acropora palmata; biodiversity; Caribbean coral reef; coral restoration; fish assemblages; 
fishery target species; geo-ecological functional groups; phylogenetic diversity; taxonomic  
distinctness; trophic functional groups 
 

1. Introduction 
Global coral reef decline over the past four decades has been significant due to a 

combination of local-scale factors, such as sedimentation [1–3], turbidity [4], eutrophica-
tion [5,6], water quality decline [7–9], and fishing [10–12]. Also, regional- to global-scale 
climate change-related factors have resulted in recurrent mass coral bleaching [13–15], 
ocean acidification [16], stronger hurricanes with higher mechanical destructive power on 
coral reefs [17–21], and sea level rise (SLR) [22,23]. More recently, emergent threats such 
as invasive species [24], nuisance species [25,26], anoxic/hypoxic events [27,28], wide-
spread coral diseases [29], and mortality events of reef organisms, such as the long-spined 
urchin Diadema antillarum, across the wider Caribbean [30] have changed coral reef com-
munity composition [31–33], and are threatening the sustainability of coral reef ecosys-
tems’ persistence, resilience, ecological processes, functions, and services. 
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Ecological restoration has emerged as a vital tool to replenish depleted coral assem-
blages worldwide [34–37] and promote the recovery of its social–ecological sustainability. 
Some of the potential benefits of coral reef ecological restoration include the following: 
Enhancement of depleted coral populations—Ecological restoration replenishes depleted 
coral populations, especially of endangered coral species such as Elkhorn coral (Acropora 
palmata) and staghorn coral (A. cervicornis) [38,39]. This is crucial for population recovery 
and for restoring ecological and genetic connectivity. Restoring coral reef accretion—The 
reintroduction of fast-growing Acroporid corals can help to restore net coral reef accre-
tion, which is fundamental for the rapid rehabilitation of wave energy attenuation and 
essential fish habitat (EFH) functions of shallow coral reefs [40]. Restoring coral reef ben-
thic spatial heterogeneity—Restoring rapid coral growth contributes to restoring benthic 
spatial heterogeneity, microhabitat diversity, and reverse benthic flattening and commu-
nity homogenization [41–43]. This is necessary for restoring biodiversity. 

Other benefits include the following: Enhanced biodiversity—Coral reef restoration 
can help recover biodiversity by restoring damaged or destroyed habitats and fostering 
net fish and invertebrate community enhancement following disturbance [44,45], which 
in the long-term will re-establish geo-ecological functional redundancy [46,47]. Improved 
water quality—If combined with simultaneous watershed-scale land use management, 
ecological restoration can help in the long term to improve water quality by reducing sed-
iment resuspension due to wave action attenuation [48,49]. Increased coastal protection—
Coral reefs provide natural coastal protection by reducing the impact of waves and storms 
[50,51]. Ecological restoration can help increase the coastal protection provided by coral 
reefs, at the same time enhancing habitat attributes that promote biodiversity. These are 
vital long-term benefits in the face of increasing threats by projected strengthened hurri-
canes with climate change [21], stronger storm surge [52,53], and SLR [54,55]. Increased 
fisheries production—Coral reefs are an important source of fisheries production and sup-
port nearly 500 million people [56,57]. Restoration can help increase the fisheries produc-
tion provided by coral reefs by re-establishing benthic spatial heterogeneity [58,59] and 
promoting the recovery of ecological connectivity with adjacent habitats [60]. 

In addition, there are the following: Increased tourism revenues and community live-
lihoods—Coral reefs are a major tourist attraction in many parts of the world, which sig-
nificantly increase their socio-economic value [61,62]. Ecological restoration can help in-
crease tourism revenues by restoring damaged or destroyed coral reefs and providing en-
hanced economic and livelihood opportunities to local stakeholders. Increased sources of 
natural product medicine—Coral reefs are a source of many natural products and medi-
cines [63,64]. Restoration can help increase the sources of natural products provided by 
reefs by promoting the recovery of depleted biodiversity. Increased recreational bene-
fits—Coral reefs provide many recreational benefits such as SCUBA diving, snorkeling, 
and swimming [65]. Restoration can help increase the recreational benefits provided by 
coral reefs, which is fundamental for strengthening socio-economic sustainability in nu-
merous small island developing states (SIDSs) and low-income countries. However, rec-
reational activities must be thoroughly regulated through a participatory management 
plan, the implementation of limits of acceptable change (LACs), and a strong governance 
framework to minimize irreparable damage to coral reefs. 

Coral reef restoration efforts are widespread around the wider Caribbean region [37]. 
Most efforts have focused on restoring largely depleted, endangered shallow-water 
Acroporid corals [38]. Limited regional coral ecological redundancy, in comparison to that 
of the southwestern Pacific [66], makes Acroporid coral restoration incredibly critical for 
reef sustainability across the Caribbean. Rapid skeletal growth and the natural fragmen-
tation and recolonization capacity of shallow reefs following disturbances make 
Acroporid corals one of the most important options for the rapid rehabilitation of shallow 
Caribbean coral reef ecological sustainability. There is evidence that Caribbean Acroporid 
coral restoration can contribute to the recovery of fish communities [67–70]. However, 
most of the attention of Acroporid coral restoration has been paid to coral survival and 
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demographic dynamics [71–76]. Attention to the role of ecological restoration on fish eco-
logical dynamics has been limited even though fish community trophic structure is fun-
damental for the sustainability and functioning of coral reefs. 

This study was aimed at understanding the long-term impacts of a community-
based, low-tech, low-scale, emergency ecological restoration effort of endangered A. pal-
mata populations on fish community structure on shallow, high-energy coral reefs that 
were significantly impacted by a strong winter swell (“Holy Swell”) during March 2008 
along the coast of Vega Baja, northern Puerto Rico and then by swells associated with 
category five Hurricanes Irma and María in 2017. Two questions were addressed: What 
was the long-term (2008–2023) demographic performance of restored populations of A. 
palmata fragments following a major winter swell disturbance? What was the long-term 
impact of coral reef restoration on fish community sustainability within the restored spa-
tial scales? This study provides important and timely information for coral reef managers 
and decision-makers in the context of shallow-water coral reef restoration challenges and 
opportunities across the wider Caribbean region in the Anthropocene. 

2. Materials and Methods 
2.1. Study Location 

This study was conducted at Arrecife Playa El Eco in the municipality of Vega Baja, 
along the northern coast of Puerto Rico, in the Caribbean Sea (18.4900° N, −66.4575° W) 
(Figure 1). Arrecife El Eco is a shallow fringing reef (0.5–5 m) dominated by one of the 
most extensive remnant formations of monotypic Elkhorn coral (A. palmata) (Lamarck, 
1816) stands across the northeastern Caribbean. This species is classified as highly endan-
gered on a global scale by the International Union for the Conservation of Nature (IUCN) 
Red List as of 2024. It was also listed as a threatened species in 2006 under the U.S. Endan-
gered Species Act, which also established its designated critical habitat (DCH) in 2008. The 
study area was located within its DCH and supported a very high percent live cover of A. 
palmata [77–79]. Some reef zones adjacent to the study site also show significant natural 
coral recovery success through sexual coral recruitment [80]. However, reef areas in closer 
proximity to the shoreline have significantly suffered in the past from widespread envi-
ronmental degradation, including fecal pollution, eutrophication, and recurrent turbidity 
and sedimentation pulses that resulted in the loss of many A. palmata stands along the 
shoreline [6,78,81]. This highlights the importance of enhancing governance of natural re-
source management and restoring A. palmata growth adjacent to the shoreline to protect 
coastal communities and infrastructure. 
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Figure 1. The study site at Playa El Eco, Vega Baja, Puerto Rico: (a) the coral restoration site in the 
context of urbanized areas, adjacent wetland habitats, and the Cibuco River outlet; (b) the aerial 
view showing restored shallow reefs; (c) Vega Baja fringing reefs and paleo-shorelines are vital ge-
ological features that contribute to wave energy and runup attenuation, protecting the shoreline and 
adjacent infrastructure; (d) a typical remnant A. palmata stand at Vega Baja; (e) a detailed view of 
restored plots; (f) an example of one 15-year-old restored A. palmata colony cluster within a restora-
tion plot. 

2.2. Acropora Palmata Restoration 
During 18–21 March 2008, an unprecedented winter swell, named the “Holy Swell”, 

impacted the northeastern Caribbean region, generating long-period swells (6–10 m, 16 s) 
and wave breakers more than 10–12 m high along the northern coast of Puerto Rico 
(https://www.canalsresearch.com/wave-climate-atlas-extreme-events, accessed on 25 
April 2024) (see Figure S1). This event caused an extensive fragmentation and dislodg-
ment of A. palmata colonies along the coast of Vega Baja. An emergency community-based 
restoration effort was conducted led by local non-governmental organizations VIDAS and 
Sociedad Ambiente Marino (SAM), with the support of the Center for Applied Tropical 
Ecology and Conservation (CATEC) of the University of Puerto Rico. Briefly, numerous 
wave-generated coral fragments of variable size (<10 cm to >2 m) and dislodged colonies 
(0.5 to 2.5 m diameter) were collected and stabilized across local reefs. But a total of 628 
A. plamata clippings generated from broken fragments at risk (~10–25 cm maximum 
length) were out-planted to a natural open backreef substrate by direct wedging into reef 
crevices and cracks in roughly 10 plots of ~200–250 m2 each, forming colony clusters of 
approximately 50–75 fragments per plot. Some fragments were also tie-wrapped to natu-
ral bottom topographic features or dead A. palmata stands. The bottoms selected for estab-
lishing restoration plots were 1 to 1.5 m deep, located within the backreef zone, protected 
from direct wave action by adjacent surviving dense stands of A. palmata (50–70 m away). 
Restoration plots showed high homogeneity in their characteristics: a flat (low-relief < 0.5 
m) emergent eolianite platform, exposed to strong surface currents and secondary wave 
breakers, dominated by open low-relief carbonate rocky outcrops, with a dominant mixed 
community of crustose coralline algae, <20% cover of macroalgae, and sporadic, small-
sized ephemeral corals, such as Siderastrea radians, Agaricia humilis, Porites astreoides, and 
P. porites, with less than 2% live cover (Hernández-Delgado, unpublished data). Adjacent 
bottoms (~50–70 m away) selected for unrestored control plots shared similar spatial and 
biological characteristics. 

Four of the original plots were selected for permanent monitoring of out-planting 
success. A maximum of 120 out-planted representative A. palmata colonies were perma-
nently tagged at the time of out-planting for long-term monitoring (19% of the total num-
ber of out-planted coral clippings), with ~30 colonies per plot within four contiguous 
plots, separated by ~20–30 m. However, due to the loss of numerous tags with increasing 
time due to wave action or due to skeletal and tissue overgrowth of many tags that re-
sulted from extensive coral growth, only data from three of the plots with tagged corals 
that had at least 20 replicate tagged colonies through time were used for final quantitative 
assessments. The fourth plot also showed prolific coral growth through time but was not 
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quantified after 2012. For this study, data at the time of out-planting (2008) were used as 
a baseline and then data from years 2012, 2016, 2020, and 2023 were used for assessing 
out-planted coral survival rates, colony maximum diameter (cm), colony surface area 
(cm2), and maximum colony height (cm). 

Maximum colony diameter, colony surface area (length × width), and colony height 
were measured immediately after coral out-planting in 2008 (baseline), and then once per 
year in 2012, 2016, 2020, and 2023, during the late summer months when oceanographic 
conditions were calmer on the site. 

2.3. Fish Community Parameters 
The long-term impact of A. palmata restoration on fish community structure was 

quantified using slightly modified stationary visual fish counts [82]. Briefly, fish assem-
blages were counted within four replicate restored plots and four adjacent control (non-
restored) circular plots of 100 m2 (radius = 5.6 m) each. Plots within treatments were sep-
arated by ~30–50 m from each other, but the nearest restored plot was separated from 
control non-restored plots by ~50–70 m. Other restored plots were located farther away 
(~100 to 170 m). Sampling was conducted in the early morning (0800–1000 h) by the same 
observer immediately after coral out-planting in 2008 (baseline), and then once per year 
in 2012, 2016, 2020, and 2023, during the late summer months when oceanographic con-
ditions were calmer on the site. Sampling was conducted using 10 min counts within each 
plot. All fish were identified to the lowest taxon possible, counted, and size-determined 
following standard visual census methods [82]. The method provides quantitative data on 
frequency of occurrence, fish length, abundance, and community composition at the spe-
cies, genus, and family level, but also at the trophic functional group level, at the fisheries 
target species level, and at the geo-ecological functional group level. 

Size distributions were determined for individual species based on length data ob-
tained comparing fish length to a cm calibrated scale [82]. An index of biomass was ob-
tained from length data for each species by multiplying abundance estimates by weight 
based on empirically derived, species-specific length–weight relationships [83]. Weight–
length relationships were calculated by fitting a regression line to the equation log w = log 
a + b log L, which is equivalent to the equation W = aLb, where W is weight in grams, and L 
is length in millimeters and a and b are constants [83]. Mean length data could be used 
directly to compare average stock sizes between habitats and reefs and over time. Mini-
mum lengths may be useful indicators of recruitment size for sampled habitats, while 
maximum lengths may be useful indicators of fishing pressure [82]. All biomass data were 
summarized in the Supplementary Materials. 

A quantitative assessment conducted in 2008 as part of this study determined the 
optimal number of replicate plots needed to assess coral restoration impacts on fish com-
munity structure. By addressing variability, effect size, statistical power, and significance 
level, we found consistent results showing no significant differences among restored plots. 
This led to the decision to keep using four replicate plots for fish counts. Significant effect 
sizes detected between restored and control plots further supported this decision. Addi-
tionally, strong statistical power was achieved for many fish parameters within both re-
stored and control plots. The consistent achievement of the desired level of significance 
(e.g., p = 0.05) solidified the use of four replicate plots for the remainder of this study. 

2.4. Trophic Functional Group Abundance and Biomass 
Spatio-temporal variation in trophic functional group community structure, abun-

dance, and biomass was statistically tested as above for the following guilds: (a) total car-
nivores, (b) generalist invertivores, (c) piscivores, (d) planktivores, (e) omnivores, (f) total 
herbivores, (g) non-denuder herbivores, (h) browser herbivores, and (i) scraper herbi-
vores. All biomass data were summarized in the Supplementary Materials. 
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2.5. Fishery Target Species Parameters 
Spatio-temporal variations in fishery target species abundance, percent abundance, 

biomass, and percent biomass were similarly analyzed for those species that are often tar-
geted by artisanal fishing in Puerto Rico. This may provide important information on po-
tential fishing impacts on the study area. 

2.6. Fish Geo-Ecological Functional Group Abundance and Biomass 
Coral reef fishes carry out essential and well-documented ecological functions on 

reefs [84], but also contribute important geo-ecological functions, which influence reef cal-
cium carbonate (CaCO3) cycling dynamics [47]. These functions include reef framework 
modification (through bioerosion and breakage), and the production, reworking, and 
transport of reef biogenic sediments. To explore how fish geo-ecological functions may 
vary with the long-term restored A. palmata growth within restored plot scales, spatio-
temporal variations in fish geo-ecological functional group √-transformed abundance and 
biomass were tested for the following guilds: (a) FMBio = framework modifiers by bioero-
sion, (b) FMBre = framework modifiers by breakage, (c) SPI = sediment producers by in-
testine production, (d) SRM = sediment reworkers and mixers, (e) STr = sediment trans-
porters. Detailed definitions of these functional groups can be found in [47]. All biomass 
data were summarized in the Supplementary Materials. 

2.7. Fish Species Distribution 
Fish species-level data were used to determine spatio-temporal variation in fish com-

munity structure as above. This allowed for identifying which species may best explain 
observed variation. A similarity percentages (SIMPER) analysis was used on fish species-
level √-transformed abundance data to identify indicator species of spatio-temporal vari-
ation in control and restored plots [85]. 

2.8. Fish Biodiversity and Phylogenetic Dynamics 
2.8.1. Taxonomic Diversity (Delta, ∆) 

The ∆ is the average �taxonomic distance apart’ of every pair of individuals in a sam-
ple or the expected taxonomic path length between any two individuals chosen at random 
[85]. The higher the ∆ value, the more complex is the taxonomic hierarchy and diversity. 

2.8.2. Taxonomic Distinctness (Delta*, ∆*) 
The ∆* is calculated by dividing the ∆ by the Simpson diversity index to remove the 

dominating effect of the species abundance distribution [86]. The ∆* measures the ex-
pected taxonomic distance apart of any two individuals chosen at random from a sample, 
provided those two individuals are not from the same species. The taxonomic/phyloge-
netic distinctness of a community summarizes features of the overall hierarchical struc-
ture of an assemblage (the spread, unevenness, etc., of the classification tree). The larger 
the spread and unevenness, the higher the biodiversity. 

2.8.3. Average Taxonomic Distinctness—AvTD (Delta+, ∆+) 
The ∆+ is the average taxonomic distance apart of all its pairs of species [86]. ∆+ is a 

very intuitive definition of biodiversity, as average taxonomic breadth of a sample, which 
is totally independent of sampling effort. 

2.8.4. Total Taxonomic Distinctness—TTD (sDelta+, s∆+) 
The s∆+ is analogous to phylogenetic diversity (PD), which is simply the cumulative 

branch length of the full taxonomic tree. s∆+ is a useful measure of total taxonomic breadth 
of an assemblage, as a modification of S, which allows for the species inter-relatedness, so 
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that it would be possible, for example, for an assemblage of 20 closely related species to 
be deemed less �rich’ than one of 10 distantly related species [85]. 

2.8.5. Variation in Taxonomic Distinctness—VarTD (Lambda+, Λ+) 
The Λ+ is the variance of the taxonomic distances between each pair of species i and 

j, about their mean distance ∆+ [85]. It has the potential to distinguish differences in taxo-
nomic structure resulting, for example, in assemblages with some genera becoming highly 
species-rich while a range of other higher taxa are represented by only one (or a very few) 
species. In that case, average TD may be unchanged but Λ+ will be greatly increased. Λ+ 
has a lack of dependence of its mean value on sampling effort. 

2.8.6. Average Phylogenetic Diversity—AvPD (Φ+) 
The Φ+ is the analog of ∆+, both being ways of measuring the average taxonomic 

breadth of an assemblage (a species list), for a given number of species [85]. Φ+ will give 
the same value (on average) whatever that number of species; ∆+ will not. Φ+ is the result 
of PD/S. 

2.8.7. Total Phylogenetic Diversity—Faith’s PD (sΦ+) 
The sΦ+ is a measure based on known branch lengths: PD is simply the cumulative 

branch length of the full tree [87,88]. PD itself is a total rather than average property as 
when new species are added to the list, it always increases [85]. This makes PD highly 
dependent on S and thus sampling effort. A better equivalent to ∆+ would be Φ+. 

All calculations of TD indices were conducted using multivariate routine DIVERSE 
using √-transformed fish abundance data [85]. The construction of TD indices departs 
from a master list of species within defined taxonomic boundaries and encompasses the 
appropriate region/biogeographic area, from which the species found at one locality can 
be thought of as drawn, creating a framework within which TD measures can be tested 
for departure from �expectation’. 

2.9. Statistical Analyses 
Spatio-temporal variation in the above coral parameters was tested using a two-way 

permutational analysis of variance (PERMANOVA) [89], with time and space (plots) as 
main variables, following 9999 permutations of √-transformed data and based on Bray 
Curtis resemblance [90]. Colony replicates were used as an error term. Pairwise analyses 
on factor levels were also carried out but not shown, as data showed significant temporal 
variation in all parameters among all year combinations, and spatial variation showed 
consistently non-significant differences between plots one and two, but highly significant 
differences between plot three and the others. A non-metric multi-dimensional scaling 
(nMDS) analysis based on out-planted A. palmata √-transformed colony surface area and 
on Euclidean distance resemblance was used to project spatio-temporal variation in coral 
growth. All multivariate testing was conducted in PRIMER v.7.0.23 + PERMANOVA v1 
(PRIMER-e, Quest Research, Ltd., Auckland, NZ, USA). 

Spatio-temporal variations in fish community parameters were tested using a two-
way PERMANOVA [89], with time and treatment (restored plots, control plots) as main 
variables, and replicate plots as an error term, following 9999 permutations of √-trans-
formed data and on Bray–Curtis resemblance [90]. Data were first analyzed for fish com-
munity parameters: (a) species richness, (b) total abundance, (c) total biomass, (d) species 
diversity index (H’n), and (e) evenness (J’n). 

Fish community structure spatio-temporal dynamics were tested as above using 
trophic group √-transformed abundance and biomass data. Principal coordinate ordina-
tion (PCO) was used to project spatio-temporal variation in fish community trajectory 
based in √-transformed abundance data and on Bray–Curtis resemblance [90] following 
9999 permutations [89]. This allowed for identifying which trophic groups explained 
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observed patterns of spatio-temporal variation. Also, variation in abundance data from 
control and restored plots was projected using a dominance curve [85]. Abundance–bio-
mass comparison (ABC) plots based on trophic functional group abundance and biomass 
were used to test for any potential disturbance effects using a multivariate distance be-
tween dominance curves test (DOMDIS) [85]. 

Spatio-temporal patterns in fish geo-ecological functional groups as well as to indi-
vidual taxonomic distinctness and phylogenetic diversity variables were tested using a 
two-way PERMANOVA, with time and treatment as main variables, and replicate plots 
as an error term. Results were projected using PCO [89]. Joint AvTD (∆+) and VarTD (Λ+) 
analyses were performed using multivariate routine TAXDTEST. TD spatio-temporal var-
iation was tested using a two-way PERMANOVA [89], with time and treatment as main 
variables, and replicate plots as an error term, and using 9999 permutations. ∆+ and Λ+ 
results were projected using funnel plots. 

The BEST-BIOENV routine was used to determine multivariate correlations between 
A. palmata restoration metrics and fish community structure matrices based on √-trans-
formed abundance and biomass of fish trophic functional groups, fishery target species, 
and geo-ecological functional groups [85]. BEST-BIOENV allowed for combinations of the 
coral restoration variables at steadily increasing levels of complexity, yielding the best 
matches of fish, and restored coral similarity matrices. 

3. Results 
3.1. Out-Planted Acropora palmata Growth 

Out-planted Acropora palmata colonies’ maximum diameter increased from a mean of 
17.9 cm in 2008 to 46.2 cm in 2012 (1.6-fold increase), 110.5 cm in 2016 (5.2-fold increase), 
182.2 cm in 2020 (9.2-fold increase), and 243.3 cm (12.6-fold increase) in 2023 (Figure 2a). 
This represents roughly ~16.2 cm of the annual skeletal extension rate. This was a highly 
significant temporal increase (Pseudo-F = 3311, p < 0.0001) (Table 1). Variation was highly 
significant among out-planting plots (Pseudo-F = 22.17, p < 0.0001). There was also a highly 
significant time × plot interaction (Pseudo-F = 5.93, p < 0.0001). 
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Figure 2. Spatio-temporal variation in out-planted Acropora palmata metrics from triplicate plots: (a) 
maximum colony diameter (cm); (b) Log10 of colony surface area (cm2); (c) maximum colony height 
(cm). Numbers 1, 2, and 3 in the x-axis level refer to replicate plot numbers. 

Out-planted A. palmata mean colony surface area increased from 265.3 cm2 in 2008 to 
1734.6 cm2 in 2012 (5.5-fold increase), 9726.4 cm2 in 2016 (35.7-fold increase), 26,444.2 cm2 
in 2020 (98.7-fold increase), and 47,123.4 cm2 (176.6-fold increase) in 2023 (Figure 2b). This 
represents roughly ~3142 cm2 of annual colony surface expansion. This was also a highly 
significant temporal increase (Pseudo-F = 2405, p < 0.0001) (Table 1). Variation was also 
highly significant among out-planting plots (Pseudo-F = 29.91, p < 0.0001), with a highly 
significant time × plot interaction (Pseudo-F = 9.09, p < 0.0001). 

Table 1. Summary of a two-way crossed PERMANOVA test of the spatio-temporal variation in out-
planted Acropora palmata metrics. 

Source 1 df 
Maximum Diameter 

(cm) 
Colony  

Surface Area (cm2) 
Colony Maximum 

Height (cm) 
Time 4 3311 * 2405 * 2292 * 

  <0.0001 <0.0001 <0.0001 
Plot 2 22.17 29.91 107.3 

  <0.0001 <0.0001 <0.0001 

Time × Plot 8 5.93 9.09 4.83 
  <0.0001 <0.0001 <0.0001 

Residual 285    
1 Based on 9999 permutations; data = Pseudo-F statistic, p-value. * Dominant component of variation. 
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Maximum height similarly increased from a mean of 3.6 cm in 2008 to 29.7 cm in 2012 
(7.3-fold increase), 54.0 cm in 2016 (14-fold increase), 67.0 cm in 2020 (17.6-fold increase), 
and 75.3 cm (19.9-fold increase) (Figure 2c). This represents roughly ~5 cm of annual ver-
tical growth, a natural constraint imposed by heavy wave action and strong currents over 
shallow reef grounds. Temporal variation was highly significant (Pseudo-F = 2292, p < 
0.0001) (Table 1). Variation was also significant among out-planting plots (Pseudo-F = 
107.3, p < 0.0001), with a significant time × plot interaction (Pseudo-F = 4.83, p < 0.0001). 

The non-metric multi-dimensional scaling analysis (nMDS) based on the spatio-tem-
poral variation in out-planted A. palmata √-transformed colony surface area and on Eu-
clidean distance resemblance shows four distinctive temporal clusters that followed sig-
nificant out-planted coral growth, with the first one combining year 2008 and 2012, still 
showing limited colony growth in 2012 (Figure 3). There were also individual clusters for 
each sampling period during 2016, 2020, and 2023. These trends evidenced a significant 
increase in colony surface area. This test had a stress level of 0.01. 

 
Figure 3. Non-metric multi-dimensional scaling plot (nMDS) based on spatio-temporal variation in 
out-planted Acropora palmata √-transformed colony surface area (cm2) and on Euclidean distance 
resemblance. 

3.2. Spatio-Temporal Variation in Fish Community Parameters 
The restoration of wave-generated fragments of A. palmata in 2008 resulted in a sig-

nificant long-term enhancement of fish assemblages within the restored plot scales as well 
as within adjacent non-restored control plots. A cumulative total of 654 individuals of 36 
species were documented in non-restored control plots, while 1718 individuals of 88 spe-
cies were documented in restored plots. Species richness in control plots represented 40% 
of the total observed fish fauna, while that of restored plots represented 99% of the total 
cumulative richness. In total, 89 species were observed during this study. Cumulative 
richness within restored plots was 2.4 times higher than that of the control plots. Similarly, 
fish counts within restored plots represented 72% of the total counts in this study, with 
28% of the counts observed within control plots. Total counts within restored plots were 
2.6 times higher than those at control plots. 

Species richness in control plots increased from 6.3 species/count in 2008 to 8.3 in 
2012, and 11.5 in 2016, reaching a peak at 12.3 in 2020, but subsequently declined to 7.8 in 
2023 (Table 2). In contrast, species richness at restored plots started at 11.3 species/count 
in 2008, rose to 19.5 in 2012, peaked at 28 in 2016, decreased slightly to 24.3 in 2020, and 
further to 21.3 in 2023. Notably, species richness was consistently higher in restoration 
plots compared to control plots throughout the study period, with a ratio of 1.8 times 
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higher in 2008 and 2.7 times higher in 2023. The statistical analysis revealed significant 
temporal increases in species richness (Pseudo-F = 15.13, p < 0.0001) and a significant treat-
ment effect (Pseudo-F = 122.9, p < 0.0001), but no significant interaction between time and 
treatment (Pseudo-F = 2.04, p = 0.0827) (Table 3). 

Table 2. Spatio-temporal variation in annual means in fish community parameters in control and 
restored plots. 

Variables 1 08C 12C 16C 20C 23C 08R 12R 16R 20R 23R 

Species richness 
6.25 8.25 11.5 12.25 7.75 11.25 19.50 28.00 24.25 21.25 

±1.86 ±1.23 ±2.47 ±1.67 ±0.94 ±3.70 ±6.91 ±4.67 ±2.45 ±1.47 

Total abundance 
16.50 25.75 41.50 43.75 36.00 44.25 79.00 104.25 95.75 106.25 
±8.33 ±9.34 ±4.83 ±6.57 ±5.60 ±14.61 ±28.72 ±22.24 ±19.75 ±13.96 

H’n 
1.6594 1.8554 2.1071 2.1594 1.8054 2.0956 2.5395 2.8600 2.6904 2.4872 
±0.2532 ±0.1923 ±0.1492 ±0.1913 ±0.0431 ±0.2873 ±0.3287 ±0.2353 ±0.0508 ±0.1276 

J’n 
0.9207 0.8820 0.8704 0.8635 0.8857 0.8835 0.8697 0.8604 0.8458 0.8144 
±0.0133 ±0.0526 ±0.0424 ±0.0369 ±0.0374 ±0.0399 ±0.0250 ±0.0251 ±0.0386 ±0.0406 

1 08 = 2008; 12 = 2012; 16 = 2016; 20 = 2020; 23 = 2023; C = Control plots (non-restored); R = Restored 
plots. Mean ± 95% confidence intervals. 

Total fish abundance in control plots exhibited an increase from 16.5 individu-
als/count in 2008 to 25.8 in 2012, further rising to 41.5 in 2016, peaking at 43.8 in 2020, and 
stabilizing at 36 in 2023 (Table 2). Conversely, total fish abundance at restored plots started 
at 44.5 individuals/count in 2008, surged to 79 in 2012, peaked at 104.3 in 2016, was 95.8 in 
2020, and rose again to 106.3 in 2023. Notably, total fish abundance was consistently higher 
in restoration plots compared to control plots throughout the study period, with a ratio of 
2.7 times higher in 2008 and nearly 3 times higher in 2023. The statistical analysis revealed 
significant temporal increases in total fish abundance (Pseudo-F = 11.74, p < 0.0001) and a 
significant treatment effect (Pseudo-F = 79.18, p < 0.0001), but no significant interaction 
between time and treatment (Pseudo-F = 1.86, p = 0.0858) (Table 3). 

The species diversity index (H’n) in control plots showed an upward trend, increas-
ing from 1.6594 per count in 2008 to 1.8554 in 2012, further rising to 2.1071 in 2016, peaking 
at 2.1594 in 2020, and then stabilizing at 1.8054 in 2023 (Table 2). Conversely, H’n at re-
stored plots started at 2.0956 per count in 2008, increased to 2.5395 in 2012, peaked at 
2.8600 in 2016, decreased slightly to 2.6904 in 2020, and then declined to 2.4872 in 2023. 
The statistical analysis revealed a significant temporal increase in H’n (Pseudo-F = 10.73, 
p < 0.0001) and a significant treatment effect (Pseudo-F = 81.73, p < 0.0001), but no signifi-
cant interaction between time and treatment (Pseudo-F = 0.54, p = 0.7128) (Table 3). 

Table 3. Summary of a two-way crossed PERMANOVA test of the spatio-temporal variation in fish 
community parameters in restored and control plots. 

Source 1 df S 
Total Abun-

dance H’n J’n 

Time 4 15.13 11.74 10.73 2.40 
  <0.0001 <0.0001 <0.0001 0.0679 

Treatment 1 122.9 * 89.18 * 81.73 * 6.11 * 
  <0.0001 <0.0001 <0.0001 0.0199 

Time × Treatment 4 2.04 1.86 0.54 0.98 
  0.0827 0.0858 0.7128 0.4394 

Residual 30     
1 Based on 9999 permutations; data = Pseudo-F statistic, p-value. * Dominant component of variation. 

Species evenness (J’n) in control plots displayed a fluctuating pattern, starting at 
0.9207 per count in 2008, decreasing to 0.8820 in 2012, and then slightly declining to 0.8704 
in 2016 and 0.8635 in 2020, before rising to 0.8857 in 2023 (Table 2). Conversely, J’n at 
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restored plots began at 0.8835 per count in 2008, and declined to 0.8697 in 2012, followed 
by a slight decrease to 0.8604 in 2016, to 0.8458 in 2020, and to 0.8144 in 2023. While there 
was only a marginal temporal variation in J’n (Pseudo-F = 2.40, p = 0.0679), a significant 
treatment effect was observed (Pseudo-F = 6.11, p = 0.0179), with no significant time × 
treatment interaction (Pseudo-F = 0.98, p = 0.4394) (Table 3). 

3.3. Spatio-Temporal Variation in Trophic Functional Group Abundance 
Total herbivore fish abundance in control plots increased from 12.3 individuals/count 

in 2008 to 22 in 2012, 33.8 in 2016, 31.5 in 2020, and 31.8 in 2023 (Table 4). Conversely, total 
herbivore fish abundance at restored plots started at 27.5 individuals/count in 2008, rose 
to 48.8 in 2012, further increased to 58.5 in 2016 and 59.8 in 2020, and peaked at 76.8 in 
2023. This was 2.2 times higher in restoration plots compared to control plots in 2008, and 
this difference widened to 2.4 times higher by 2023. There was a significant temporal in-
crease in total herbivore fish abundance (Pseudo-F = 15.03, p < 0.0001), a significant treat-
ment effect (Pseudo-F = 61.91, p < 0.0001), and a marginal but non-significant time × treat-
ment interaction (Pseudo-F = 1.99, p = 0.0589) (Table 5). 

Non-denuder herbivore fish (Pomacentridae) abundance in control plots averaged 
6.5 individuals/count in 2008, increasing to 10 in 2012, 9.5 in 2016, 8.5 in 2020, and 8.3 in 
2023 (Table 4). In contrast, non-denuder abundance at restored plots started at 11.3 indi-
viduals/count in 2008, rose to 13.8 in 2012, further increased to 17.8 in 2016, decreased 
slightly to 15.5 in 2020, and then increased again to 18.8 in 2023. The abundance of non-
denuder herbivore fish was 1.5 times higher in restoration plots compared to control plots 
in 2008, and this difference widened to 2.3 times higher by 2023. There was a marginal but 
non-significant temporal increase in non-denuder abundance (Pseudo-F = 2.61, p = 0.0505), 
a significant treatment effect (Pseudo-F = 42.12, p < 0.0001), and a non-significant time × 
treatment interaction (Pseudo-F = 0.80, p = 0.5462) (Table 5). 

Browser herbivore fish (Acanthuridae) abundance in control plots averaged 1 indi-
vidual/count in 2008, increased to 3.8 in 2012, spiked to 12 in 2016, slightly decreased to 
10 in 2020, and then rose again to 12.8 in 2023 (Table 4). In contrast, browser abundance at 
restored plots started at 5 individuals/count in 2008, rose to 13.3 in 2012, further increased 
to 21 in 2016, slightly decreased to 24.3 in 2020, and then increased again to 30.8 in 2023. 
The abundance of browser herbivore fish was five times higher in restoration plots com-
pared to control plots in 2008, and this difference decreased to 2.4 times higher by 2023. 
There was a significant temporal increase in browser abundance (Pseudo-F = 9.52, p < 
0.0001), a significant treatment effect (Pseudo-F = 11.73, p = 0.0002), and a non-significant 
time × treatment interaction (Pseudo-F = 0.99, p = 0.4363) (Table 5). 

Table 4. Spatio-temporal variation in annual mean herbivore guild abundance in control and re-
stored plots. 

Variables 1 08C 12C 16C 20C 23C 08R 12R 16R 20R 23R 

Total herbivores 
12.25 22.00 33.75 31.5 31.75 27.50 48.75 58.50 59.75 76.75 
±5.33 ±8.00 ±5.27 ±1.88 ±5.45 ±5.34 ±10.38 ±11.21 ±15.63 ±9.75 

Non-denuders 
6.5  10.00 9.50 8.50 8.25 11.25 13.75 17.75 15.50 18.75 

±1.88 ±4.00 ±3.05 ±1.88 ±1.23 ±3.24 ±3.34 ±4.69 ±3.05 ±1.67 

Browsers 
1.00 3.75 12.00 10.00 12.75 5.00 13.25 21.00 24.25 30.75 
±1.13 ±2.58 ±1.60 ±1.60 ±5.57 ±4.08 ±4.41 ±6.69 ±13.08 ±4.89 

Scrapers 
4.75 8.25 12.25 13.00 10.75 11.25 21.75 19.75 20.00 27.25 
±2.93 ±5.33 ±1.67 ±1.96 ±1.67 ±5.57 ±8.37 ±1.86 ±5.12 ±5.45 

1 08 = 2008; 12 = 2012; 16 = 2016; 20 = 2020; 23 = 2023; C = Control plots (non-restored); R = Restored 
plots. Mean ± 95% confidence intervals. 
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Table 5. Summary of a two-way crossed PERMANOVA test of the spatio-temporal variation in her-
bivore fish functional group abundance in restored and control plots. 

Source 1 df Herb 2 NDN Br Sc 
Time 4 15.03 2.61 9.52 * 6.65 

  <0.0001 0.0505 <0.0001 0.0006 
Treatment 1 61.91 * 42.12 * 11.73 29.99 * 

  <0.0001 <0.0001 0.0002 <0.0001 
Time × Treatment 4 1.99 0.80 0.99 1.09 

  0.0589 0.5462 0.4363 0.3762 
Residual 30     

1 Based on 9999 permutations; data = Pseudo-F statistic, p-value. 2 Herb = Total herbivores; NDN = 
Non-denuders; Br = Browsers; Sc = Scrapers. * Dominant component of variation. 

Scraper herbivore fish (Scaridae) abundance in control plots averaged 4.8 individu-
als/count in 2008, increased to 8.3 in 2012 and to 12.3 in 2016, remained stable at 13 in 2020, 
and slightly decreased to 10.8 in 2023 (Table 4). Conversely, scraper abundance at restored 
plots started at 11.3 individuals/count in 2008, rose to 21.8 in 2012, slightly decreased to 
19.8 in 2016, remained stable at 20 in 2020, and then increased to 27.3 in 2023. Scraper 
abundance was 2.4 times higher in restoration plots compared to control plots in 2008, and 
this difference increased to 2.5 times higher by 2023. There was a significant temporal in-
crease in scraper abundance (Pseudo-F = 6.65, p = 0.0006), a significant treatment effect 
(Pseudo-F = 29.99, p < 0.0001), and a non-significant time × treatment interaction (Pseudo-
F = 1.09, p = 0.3762) (Table 5). 

Total carnivore fish abundance in control plots varied from 3.5 individuals/count in 
2008 to a peak of 11.5 in 2020, declining to 3 in 2023 (Table 6). In contrast, total carnivore 
fish abundance at restored plots increased from 15.5 individuals/count in 2008 to 39 in 
2016, decreasing to 25.5 in 2023. The abundance of carnivore fish was 4.4 times higher in 
restoration plots compared to control plots in 2008, and this difference increased to 8.5 
times higher by 2023. There was a significant temporal increase in total carnivore fish 
abundance (Pseudo-F = 2.96, p = 0.0120), a significant treatment effect (Pseudo-F = 35.31, p 
< 0.0001), and a non-significant time × treatment interaction (Pseudo-F = 1.27, p = 0.2723) 
(Table 7). 

Generalist invertivore fish abundance in control plots ranged from 3 individu-
als/count in 2008 to a peak of 10.3 in 2020, declining to 2.3 in 2023 (Table 6). Conversely, 
generalist invertivores at restored plots increased from 13.8 individuals/count in 2008 to 
30.5 in 2016, decreasing to 18.3 in 2023. This was 4.6 times higher in restoration plots com-
pared to control plots in 2008, increasing to 8.1 times higher by 2023. There was a signifi-
cant temporal increase in generalist invertivore abundance (Pseudo-F = 2.75, p = 0.0216), a 
significant treatment effect (Pseudo-F = 29.50, p < 0.0001), and a non-significant time × 
treatment interaction (Pseudo-F = 1.69, p = 0.1395) (Table 7). 

Table 6. Spatio-temporal variation in annual mean carnivore guild abundance in control and re-
stored plots. 

Variables 1 08C 12C 16C 20C 23C 08R 12R 16R 20R 23R 

Total carnivores 
3.50 2.75 7.00 11.50 3.00 15.5 25.25 39.00 29.25 25.50 
±3.25 ±0.94 ±1.60 ±5.46 ±3.49 ±11.88 ±19.91 ±12.24 ±5.27 ±4.04 

Gen. invertivores 
3.00 2.00 6.00 10.25 2.25 13.75 20.75 30.50 20.25 18.25 
±2.40 ±1.39 ±0.80 ±6.27 ±3.78 ±10.01 ±16.98 ±12.43 ±6.76 ±8.59 

Piscivores 
0.50 0.50 0.75 1.00 0.00 1.75 4.25 6.50 7.50 6.00 
±0.98 ±0.57 ±0.94 ±1.39 ±0.00 ±2.02 ±3.78 ±3.62 ±1.27 ±4.00 

Planktivores 0.00 0.25 0.25 0.25 0.75 0.00 0.25 1.75 1.50 1.25 
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±0.00 ±0.49 ±0.49 ±0.49 ±1.47 ±0.00 ±0.49 ±0.94 ±0.98 ±1.23 

Omnivores 
0.75 1.00 0.75 0.75 1.25 1.25 5.00 6.75 6.75 3.75 
±0.94 ±1.13 ±1.47 ±0.94 ±1.47 ±1.47 ±2.88 ±3.87 ±2.58 ±5.45 

1 08 = 2008; 12 = 2012; 16 = 2016; 20 = 2020; 23 = 2023; C = Control plots (non-restored); R = Restored 
plots. Mean ± 95% confidence intervals. 

Table 7. Summary of a two-way crossed PERMANOVA test of the spatio-temporal variation in car-
nivore fish functional group abundance in restored and control plots. 

Source 1 df Carn 2 Gen Pisc Plank Omn 
Time 4 2.96 2.75 1.54 3.86 0.82 

  0.0120 0.0216 0.1992 0.0003 0.5334 
Treatment 1 35.31 * 29.50 * 22.06 * 10.33 * 13.11 * 

  <0.0001 <0.0001 0.0002 0.0028 0.0008 
Time × Treatment 4 1.27 1.69 0.71 1.98 1.14 

  0.2723 0.1395 0.6069 0.1194 0.3627 
Residual 30      

1 Based on 9999 permutations; data = Pseudo-F statistic, p-value. 2 Carn = Total carnivores; Gen = 
Generalist invertivores; Pisc = Piscivores; Plank = Planktivores; Omn = Omnivores. * Dominant com-
ponent of variation. 

Piscivore fish abundance in control plots averaged 0.5 individuals/count in 2008, 
reaching a maximum of 1 in 2020 before declining to none in 2023 (Table 6). Conversely, 
piscivore abundance at restored plots increased from 1.8 individuals/count in 2008 to 6 in 
2023. Piscivore abundance was 3.5 times higher in restoration plots compared to control 
plots in 2008, increasing to more than 6 times higher by 2023. There was a non-significant 
temporal increase in piscivore abundance (Pseudo-F = 1.54, p = 0.1992), a significant treat-
ment effect (Pseudo-F = 22.06, p = 0.0002), and a non-significant time × treatment interac-
tion (Pseudo-F = 0.71, p = 0.6069) (Table 7). 

No planktivores were observed in control plots in 2008, but they averaged 0.3 indi-
viduals/count from 2012 to 2020, increasing to 0.75 in 2023 (Table 6). Similarly, no plank-
tivores were observed at restored plots in 2008, but their abundance increased steadily 
from 0.3 individuals/count in 2012 to 1.3 in 2023. Planktivore abundance was 1.7 times 
higher in restored plots than in control plots in 2023. There was a significant temporal 
increase in planktivore abundance (Pseudo-F = 3.86, p = 0.0003), a significant treatment 
effect (Pseudo-F = 10.33, p = 0.0028), and a non-significant time × treatment interaction 
(Pseudo-F = 1.98, p = 0.1194) (Table 7). 

Omnivore fish abundance in control plots in 2008 was 0.8 individuals/count, increas-
ing to 1.3 in 2023 (Table 6). Meanwhile, omnivore abundance at restored plots started at 
1.3 individuals/count in 2008, peaked at 6.8 in 2016 and 2020, and decreased to 3.8 in 2023. 
Omnivore abundance was consistently higher in restoration plots compared to control 
plots, with a 1.7 times higher abundance in 2008 and more than 3 times higher in 2023. 
While there was a non-significant temporal increase in omnivore abundance (Pseudo-F = 
0.82, p = 0.5334), a significant treatment effect was observed (Pseudo-F = 13.11, p = 0.0008), 
with a non-significant time × treatment interaction (Pseudo-F = 1.14, p = 0.3627) (Table 7). 

A similar analysis for fish trophic functional group biomass was conducted for her-
bivore and carnivore guilds and results were included as Supplementary Materials (Ta-
bles S1–S4). Fish biomass data showed a temporal trend like that of fish abundance. 

3.4. Spatio-Temporal Variation in Fishery Target Species Parameters 
Fishery target species exhibited notable increases in abundance over time in both 

control and restored plots. In control plots, juvenile individuals of the scraper herbivore 
Scarus iseri comprised the highest cumulative abundance in open substrates (28% fre-
quency), yet being juveniles, they were not part of the fishery. Other prominent fishery 
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targets included the scraper herbivore Sparisoma aurofrenatum (1.5%), transient piscivore 
Caranx ruber (1.2%), and generalist invertivores Mulloydichthys martinicus (0.6%), Lutjanus 
analis (0.3%), and Pseudupeneus maculatus (0.3%). Together, these five species constituted 
4% of the cumulative fish counts from non-restored open reef substrates. In contrast, ju-
venile S. iseri constituted 18% of the cumulative fish counts from restored plots, not yet 
part of the fishery. A group of eight fishery target species accounted for 11.5% of the cu-
mulative fish counts in restored plots, including S. aurofrenatum (2.9%), L. mahogoni (2%), 
C. ruber (1.9%), Haemulon flavolineatum (1.8%), S. viride (0.9%), S. taeniopterus (0.9%), Ceph-
alopholis fulva (0.6%), and L. apodus (0.6%). Cumulative fish abundance increased over time 
in both restored and control plots, indicating two significant processes associated with A. 
palmata restoration: enhanced fish abundance within restored plots due to increasing out-
planted colony size, cover, and spatial complexity, and fish spillover effects from restored 
areas to adjacent open control plots. 

Fishery target species in control plots exhibited an average of 5.8 individuals/count 
in 2008, increasing to 9 in 2012, 13.5 in 2016, and 15.3 in 2020, and then declining to 10.8 in 
2023 (Table 8). Conversely, fishery target species abundance at restored plots started at 
21.3 individuals/count in 2008; rose to 35.3 in 2012, 35.5 in 2016, and 29.8 in 2020; and 
peaked at 36.3 in 2023. They were 3.7 times more abundant in restoration plots than in 
control plots in 2008, decreasing slightly to 3.4 times more abundant in 2023. Notably, 
there was a significant temporal increase in fishery target species abundance (Pseudo-F = 
4.02, p = 0.0046), a significant treatment effect (Pseudo-F = 43.78, p < 0.0001), and a signifi-
cant time × treatment interaction (Pseudo-F = 0.67, p = 0.6832) (Table 9). 

In control plots, fishery target species percent abundance averaged 31.5% in 2008, 
increased to 35.3% in 2012, declined to 32.8% in 2016, rose again to 35.4% in 2020, and 
decreased to 30.1% in 2023 (Table 8). Conversely, fishery target species percent abundance 
at restored plots started at 42.5% in 2008 and remained stable at 42.5% in 2012, then de-
creased to 34.6% in 2016, further declined to 32.3% in 2020, and slightly increased to 34.2% 
in 2023. There were no significant temporal differences in fishery target species percent 
abundance (Pseudo-F = 0.35, p = 0.8766), no significant treatment effect (Pseudo-F = 0.89, 
p = 0.3692), and no significant time × treatment interaction (Pseudo-F = 0.31, p = 0.8769) 
(Table 9). 

Fishery target species also exhibited significant increases in biomass over time in both 
control and restored plots. In control plots, the highest cumulative biomass in open sub-
strates was attributed to the bowser herbivore Acanthurus coeruleus (25% frequency), alt-
hough this species is not a fishery target in Puerto Rico. Other notable contributors to 
biomass included the transient piscivore C. ruber (3%), scraper herbivore S. aurofrenatum 
(2.5%), and generalist invertivores L. analis (0.6%), M. martinicus (0.6%), and piscivore L. 
apodus (0.5%). Collectively, these five species constituted 7% of the total biomass from non-
restored open reef substrates. 

Table 8. Spatio-temporal variation in annual means in fishery target species parameters in control 
and restored plots. 

Variables 1 08C 12C 16C 20C 23C 08R 12R 16R 20R 23R 

Abundance 
5.75 9.00 13.50 15.25 10.75 21.25 35.25 35.50 29.75 36.25 
±3.95 ±4.87 ±2.33 ±2.32 ±1.67 ±14.37 ±22.24 ±4.27 ±6.01 ±6.47 

% Abundance 
31.51 35.30 32.80 35.41 30.13 42.50 42.50 34.62 32.31 34.21 
±14.10 ±11.17 ±6.71 ±7.56 ±4.23 ±22.88 ±11.40 ±3.93 ±9.55 ±4.79 

Biomass (g) 
41.50 52.33 104.89 188.99 74.13 571.95 396.30 2817.17 855.82 1094.72 
±35.74 24.18 ±46.66 ±61.94 ±40.67 ±904.87 ±210.09 ±1426.65 ±291.24 ±674.03 

% Biomass 
34.07 42.04 24.00 34.62 22.05 51.12 52.65 65.48 35.72 38.32 
±26.59 ±28.47 ±13.11 ±10.46 ±14.27 ±33.50 ±17.62 ±15.61 ±20.31 ±15.45 

1 08 = 2008; 12 = 2012; 16 = 2016; 20 = 2020; 23 = 2023; C = Control plots (non-restored); R = Restored 
plots. Mean ± 95% confidence intervals. 
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Table 9. Summary of a two-way crossed PERMANOVA test of the spatio-temporal variation in fish-
ery target species parameters in restored and control plots. 

Source 1 df Abund % Abund Biomass % Biomass 
Time 4 4.02 0.35 6.14 0.70 

  0.0046 0.8766 <0.0001 0.6182 
Treatment 1 43.78 * 0.89 69.27 * 6.41 * 

  <0.0001 0.3692 <0.0001 0.0141 
Time × Treatment 4 0.67 0.31 3.46 0.93 

  0.6832 0.8769 0.0013 0.4601 
Residual 30     

1 Based on 9999 permutations; data = Pseudo-F statistic, p-value. * Dominant component of variation. 

In restored plots, Acanthurus coeruleus accounted for 20% of the cumulative biomass. 
However, a group of eight fishery target species contributed significantly, comprising 33% 
of the cumulative biomass within restored plots. This group included the large piscivore 
Sphyraena barracuda (9%); generalist invertivores Diodon hystrix (8%), L. analis (5%), and L. 
mahogoni (3%); scraper herbivore S. aurofrenatum (2%); piscivores C. fulva (1.9%) and L. 
apodus (1.8%); and generalist invertivore H. flavolineatum (1.7%). The cumulative fish bio-
mass increased over time in both restored and control plots, indicating enhanced biomass 
within restored plots due to increasing out-planted colony size, cover, and complexity, as 
well as fish spillover effects from restored areas to adjacent control plots. 

Fishery target species biomass in control plots increased from an average of 41 
g/count in 2008 to 189 g/count in 2020, declining to 74 g/count in 2023 (Table 8). Mean-
while, in restored plots, biomass started at 572 g/count in 2008, peaked at 2817 g/count in 
2016, and decreased to 1095 g/count in 2023. Restoration plots exhibited significantly 
higher biomass, being 14 times higher in 2008 and 15 times higher in 2023 compared to 
control plots. There was a notable temporal increase in biomass for fishery target species 
across both control and restored plots, with a significant treatment effect and a significant 
interaction between time and treatment (Pseudo-F = 6.14, p < 0.0001; Pseudo-F = 69.27, p < 
0.0001; Pseudo-F = 3.46, p = 0.0013, respectively) (Table 9). 

In control plots, fishery target species percent biomass fluctuated from 34.1% in 2008 
to 24% in 2016, rebounding to 22% in 2023 (Table 8). Conversely, in restored plots, it in-
creased from 51.1% in 2008 to 65.5% in 2016, then decreased to 38.3% in 2023. There was 
no significant temporal difference in fishery target species percent biomass (Pseudo-F = 
0.70, p = 0.6182), but a significant treatment effect (Pseudo-F = 6.41, p = 0.0141), with no 
significant time × treatment interaction (Pseudo-F = 0.93, p = 0.4601) (Table 9). 

3.5. Spatio-Temporal Variation in Fish Functional Group Community Structure 
There were significant temporal differences in fish community structure based on fish 

functional group abundance (Pseudo-F = 4.66, p < 0.0001) and treatment effect (Pseudo-F 
= 27.71, p < 0.0001), with no significant time × treatment interaction (Pseudo-F = 1.00, p = 
0.4790) (Table 10). Similarly, significant temporal differences were observed based on fish 
functional group biomass (Pseudo-F = 4.92, p < 0.0001) and treatment effect (Pseudo-F = 
25.23, p < 0.0001), along with a significant time × treatment interaction (Pseudo-F = 2.62, p 
= 0.0005) (Table 10). 
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Table 10. Summary of a two-way crossed PERMANOVA test of the spatio-temporal variation in fish 
community structure in restored and control plots based on fish functional groups. 

Source 1 df Abundance Biomass 
Time 4 4.6602 4.9163 

  <0.0001 <0.0001 
Treatment 1 27.708 * 25.231 * 

  <0.0001 <0.0001 
Time × Treatment 4 0.9962 2.6241 

  0.4790 0.0005 
Residual 30   

1 Based on 9999 permutations; data = Pseudo-F statistic, p-value. * Dominant component of variation. 

A PCO analysis revealed significant spatio-temporal differences in the fish commu-
nity structure trajectory within both control and restored plots (Figure 4). Distinctive spa-
tio-temporal clustering patterns were observed, with the years 2008 and 2012 in control 
plots forming one cluster, while the remaining years constituted a separate cluster due to 
fish spillover effects from adjacent restored plots as A. palmata growth progressed. Simi-
larly, the year 2008 in restored plots clustered with the years 2016, 2020, and 2023 in con-
trol plots, whereas restored plots during the remaining years clustered together as out-
planted corals continued to grow larger and fish assemblages became increasingly differ-
ent. 

 
Figure 4. The principal coordinate ordination (PCO) analysis of the spatio-temporal variation in fish 
community structure based on fish functional group √-transformed abundance. NDN = Non-denud-
ers; Br = Browsers; Sc = Scrapers; Gen = Generalist invertivores; Pisc = Piscivores; Plank = Plankti-
vores; Omn = Omnivores. Light blue (R) = Restoration plots; Dark blue (C) = Control plots (no inter-
vention). This solution explains 93.7% of the observed variation. 

Community trajectory changes were primarily influenced by a rising abundance of 
piscivores, generalist invertebrates, and non-denuding herbivores in restored plots. 
Meanwhile, scraper and browser herbivore abundance accounted for variations in the fish 
community trajectory in control plots. The observed temporal trajectories indicate increas-
ing complexity in fish communities on both restored and control plots, potentially indi-
cating fish spillover effects from restored to adjacent control plots. Despite differences in 
fish assemblages between treatments, this solution elucidates 93.7% of the observed spa-
tio-temporal variation. 
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A cumulative dominance plot illustrates a consistent trend of greater fish community 
complexity within restored plots compared to control plots (Figure 5). Additionally, it 
demonstrates a general increase in community complexity over time since the coral resto-
ration intervention, despite observed differences in fish assemblages between restored 
and control plots. This suggests potential fish spillover effects from restored to adjacent 
control plots. 

 
Figure 5. Dominance plot of spatio-temporal variation in fish functional groups on restoration and 
control plots based on √-transformed abundance. 

Abundance–biomass comparison (ABC) plots based on fish functional group abun-
dance and biomass reveal minimal disturbance effects over the 15-year study period, ex-
cept for the control plots in 2008 and 2012, as well as the restoration plots in 2012 (Figure 
6). A PERMANOVA test on the results of the distance between dominance curves’ test 
(DOMDIS) indicated significant temporal variation in abundance dominance curves 
(Pseudo-F = 5.72, p = 0.0018) and treatment effects (Pseudo-F = 32.74, p < 0.0001), with a 
non-significant time × treatment interaction (Pseudo-F = 1.12, p = 0.3737). Additionally, 
there was significant temporal variation in biomass dominance curves (Pseudo-F = 17.16, 
p = 0.0003) and treatment effects (Pseudo-F = 32.74, p < 0.0001), with a non-significant time 
× treatment interaction (Pseudo-F = 0.52, p = 0.7530). 

In the ABC method, the strongly disturbed state during the 2012 survey, resulting 
from recurrent illegal sewage dumping, coastal water eutrophication, and heavy turbidity 
and sedimentation from adjacent riprap construction, was evident when the abundance 
k-dominance curve rose above the biomass curve (2012 control), or when both lines were 
fully aligned throughout their length (2008 control, 2012 restored plot). This phenomenon 
could be attributed to the loss of large-bodied �climax’ species and the proliferation of 
small-bodied opportunists. Conversely, most of the remaining samples from both control 
and restoration plots exhibited the benefits of A. palmata restoration on fish assemblages, 
reflected in the undisturbed ABC pattern (biomass curve consistently above the abun-
dance curve). 
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Figure 6. Abundance–biomass comparison (ABC) plots of the spatio-temporal variation in fish func-
tional groups on restoration and control plots based on √-transformed abundance (blue) and bio-
mass (red). R = Restoration plots; C = Control plots. 

3.6. Spatio-Temporal Variation in Fish Geo-Ecological Functional Group Abundance 
Fish geo-ecological functional group abundance exhibited significant spatio-tem-

poral variation. In control plots, the abundance of framework modifier (bioeroder) fish 
(FMBio) averaged 4.8 individuals/count in 2008, 8.3 in 2012, 12.3 in 2016, 13 in 2020, and 
10.8 in 2023 (Table 11). Conversely, FMBio abundance in restored plots was 12 individu-
als/count in 2008, 22.3 in 2012, 19.8 in 2016, 20.5 in 2020, and 28.3 in 2023. Notably, FMBio 
was 2.5 times more abundant in restored than in control plots in 2008, and 2.6 times more 
abundant in 2023. Furthermore, FMBio abundance displayed a significant temporal in-
crease (Pseudo-F = 6.31, p = 0.0004), a significant treatment effect (Pseudo-F = 31.86, p < 
0.0001), but no significant time × treatment interaction (Pseudo-F = 1.15, p = 0.3452) (Table 
12). 

Framework modifier (breakage) fish (FMBre) were absent across both control and 
restored plots between 2008 and 2016 (Table 11). In 2020, none were found in control plots, 
but there were 0.25 individuals/count in 2023. Similarly, there were 0.5 individuals/count 
in 2020 in restored plots and 1 in 2023. While FMBre were absent in both control and re-
stored plots in 2008, they were four times more abundant in restored plots than in control 
plots in 2023. Notably, FMBre abundance displayed a significant temporal increase 
(Pseudo-F = 2.76, p = 0.0387), no significant treatment effect (Pseudo-F = 2.61, p = 0.1124), 
and no significant time × treatment interaction (Pseudo-F = 1.05, p = 0.3924) (Table 12). 
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Table 11. Spatio-temporal variation in annual mean geo-ecological fish functional group abundance 
in control and restored plots. 

Variables 1 08C 12C 16C 20C 23C 08R 12R 16R 20R 23R 

FMBio 
4.75 8.25 12.25 13.00 10.75 15.50 25.25 39.00 29.25 25.50 
±2.93 ±5.33 ±1.67 ±1.96 ±1.67 ±11.88 ±19.91 ±12.24 ±5.27 ±4.04 

FMBre 
0.00 0.00 0.00 0.00 0.25 13.75 20.75 30.50 20.25 18.25 
±0.00 ±0.00 ±0.00 ±0.00 ±0.49 ±10.01 ±16.98 ±12.43 ±6.76 ±8.59 

SPI 
16.50 25.75 41.50 43.75 36.00 1.75 4.25 6.50 7.50 6.00 
±8.33 ±9.34 ±4.83 ±6.57 ±5.60 ±2.02 ±3.78 ±3.62 ±1.27 ±4.00 

SRM 
16.00 25.25 41.00 42.75 36.00 0.00 0.25 1.75 1.50 1.25 
±7.46 ±9.17 ±5.60 ±6.99 ±5.60 ±0.00 ±0.49 ±0.94 ±0.98 ±1.23 

STr 
6.25 12.25 25.25 24.75 23.5 1.25 5.00 6.75 6.75 3.75 
±3.78 ±6.47 ±3.24 ±5.02 ±6.22 ±1.47 ±2.88 ±3.87 ±2.58 ±5.45 

1 08 = 2008; 12 = 2012; 16 = 2016; 20 = 2020; 23 = 2023; C = Control plots (non-restored); R = Restored 
plots. Mean ± 95% confidence intervals. FMBio = Framework modifiers by bioerosion; FMBre = 
Framework modifiers by breakage; SPI = Sediment producers by intestine production; SRM = Sedi-
ment reworkers and mixers; STr = Sediment transporters. 

Table 12. Summary of a two-way crossed PERMANOVA test of the spatio-temporal variation in fish 
geo-ecological functional group abundance in restored and control plots. 

Source 1 df FMBio 2 FMBre SPI SRM STr 
Time 4 6.31 2.76 * 12.56 12.22 10.87 

  0.0004 0.0387 <0.0001 <0.0001 <0.0001 
Treatment 1 31.86 * 2.61 97.95 * 90.44 * 58.33 * 

  <0.0001 0.1124 <0.0001 <0.0001 <0.0001 
Time × Treatment 4 1.15 1.05 1.54 1.59 2.26 

  0.3452 0.3924 0.1780 0.1648 0.0327 
Residual 30      

1 Based on 9999 permutations; data = Pseudo-F statistic, p-value. 2 FMBio = Framework modifiers 
(bioeroders); FMBre = Framework modifiers (breakage); SPI = Sediment producers (intestine pro-
duction); SRM = Sediment reworking and mixing; STr = Sediment transporters. * Dominant compo-
nent of variation. 

Sediment producer (intestine production) fish (SPI) abundance averaged 16.5 indi-
viduals/count in control plots in 2008, 25.8 in 2012, 41.5 in 2016, 43.8 in 2020, and 36 in 
2023 (Table 11). In contrast, SPI abundance in restored plots was 44.3 individuals/count in 
2008, 79 in 2012, 104.3 in 2016, 95.8 in 2020, and 106.3 in 2023. Notably, SPI were 2.7 times 
more abundant in restored than in control plots in 2008 and 3 times more abundant in 
2023. Furthermore, sediment producers’ abundance displayed a significant temporal in-
crease (Pseudo-F = 12.56, p < 0.0001), a significant treatment effect (Pseudo-F = 97.95, p < 
0.0001), but no significant time × treatment interaction (Pseudo-F = 1.54, p = 0.1780) (Table 
12). 

Sediment reworking and mixing fish (SRM) abundance was 16 individuals/count in 
control plots in 2008, 25.3 in 2012, 41 in 2016, 42.8 in 2020, and 36 in 2023 (Table 11). In 
contrast, SRM abundance in restored plots was 42.3 individuals/count in 2008, 77 in 2012, 
95.5 in 2016, 87.5 in 2020, and 102.8 in 2023. Notably, SRM were 2.6 times more abundant 
in restored than in control plots in 2008 and 2.9 times more abundant in 2023. Addition-
ally, SRM abundance displayed a significant temporal increase (Pseudo-F = 12.22, p < 
0.0001), a significant treatment effect (Pseudo-F = 90.44, p < 0.0001), but no significant time 
× treatment interaction (Pseudo-F = 1.59, p = 0.1648) (Table 12). 

Sediment transporter fish (STr) abundance averaged 6.3 individuals/count in control 
plots in 2008, 12.3 in 2012, 25.3 in 2016, 24.8 in 2020, and 23.5 in 2023 (Table 11). In contrast, 
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STr abundance in restored plots was 24.5 individuals/count in 2008, 46 in 2012, 51.3 in 
2016, 51 in 2020, and 64 in 2023. Remarkably, STr were 3.9 times more abundant in restored 
than in control plots in 2008 and 2.7 times more abundant in 2023. Additionally, STr abun-
dance displayed a significant temporal increase (Pseudo-F = 10.87, p < 0.0001), a significant 
treatment effect (Pseudo-F = 58.33, p < 0.0001), and a significant time × treatment interac-
tion (Pseudo-F = 2.26, p = 0.0327) (Table 12). 

A similar analysis for fish geo-ecological functional group biomass was conducted 
and results were included as Supplementary Materials (Tables S5 and S6). Fish geo-eco-
logical functional group biomass data showed a temporal trend like that of fish abun-
dance. 

A PCO analysis revealed three distinct clustering patterns in control plots based on 
fish geo-ecological functional group abundance (Figure 7). The first cluster within control 
plots consisted of the years 2008 and 2012, the second comprised 2016 and 2020, and a 
separate cluster formed for the year 2023. This pattern suggests increasing fish spillover 
effects from adjacent restored plots that supported the growth of out-planted coral. Re-
stored plots also exhibited three distinct patterns. In restored plots, the year 2008 clustered 
with the years 2016 and 2020 of adjacent control plots. However, the year 2012 clustered 
separately, and years 2016, 2020, and 2023 formed a third cluster, indicating that larger 
out-planted corals attracted a different community of fish geo-ecological functional 
groups. The observed spatio-temporal variation was primarily explained by STr and 
FMBio, and to a slightly lesser degree by SRM and SPI. This solution accounted for 99.4% 
of the observed variation. 

 
Figure 7. The principal coordinate ordination (PCO) analysis of the spatio-temporal variation in fish 
community structure based on fish geo-ecological functional group √-transformed abundance. 
FMBio = Framework modifiers (bioeroders); FMBre = Framework modifiers (breakage); SPI = Sedi-
ment producers (intestine production); SRM = Sediment reworking and mixing; STr = Sediment 
transporters. Light blue (R) = Restoration plots; Dark blue (C) = Control plots (no intervention). This 
solution explains 99.4% of the observed variation. 

3.7. Spatio-Temporal Variation in Fish Species Distribution 
Significant temporal differences in fish community structure were found at the spe-

cies level (Pseudo-F = 2.02; p = 0.0002), with a notable treatment effect (Pseudo-F = 10.57; p 
< 0.0001), but no significant time × treatment interaction (Pseudo-F = 1.13; p = 0.2616). The 
PCO analysis similarly revealed significant spatio-temporal variation in fish assemblages 
(Figure 8), confirming notable differences between control and restored plots. Control 
plots displayed three distinct clustering patterns, with years 2008 and 2012 forming a de-
pauperate fish community cluster, followed by clusters in 2016, 2020, and 2023. The vari-
ation in control plot fish community trajectory was primarily attributed to an increasing 
abundance of juvenile Scarus iseri, Acanthurus tractus, and A. coeruleus due to fish spillover 
effects from adjacent restored plots. In contrast, restored plots showed two distinct 
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clustering patterns, one in 2008 and another in subsequent years. The observed variation 
in restored plots was mainly due to increasing abundance of Cephalopholis fulva, Anisotre-
mus virginicus, Microspathodon chrysurus, Thalassoma bifasciatum, Haemulon flavolineatum, 
Caranx ruber, and Lutjanus mahogoni, explaining 72.8% of the total variation. 

 
Figure 8. The principal coordinate ordination (PCO) analysis of the spatio-temporal variation in fish 
community structure based on √-transformed abundance of fish species. The vectorial analysis 
based on the 90% correlation level. Clustering patterns based on the Simprof test. Atra = Acanthurus 
tractus; Acoe = A. coeruleus; Sise = Scarus iseri; Cful = Cephalopholis fulva; Avir = Anisotremus virginicus; 
Mchr = Microspathodon chrysurus; Tbif = Thalassoma bifasciatum; Hfla = Haemulon flavolineatum; Crub 
= Caranx ruber; Lmah = Lutjanus mahogoni. Light blue (R) = Restoration plots; Dark blue (C) = Control 
plots (no intervention). This solution explains 72.8% of the observed variation. 

These results underscore three key findings. Firstly, A. palmata population restoration 
on shallow, high-energy fringing reefs significantly influenced fish community structure, 
leading to enhanced coral growth, increased fish abundance, and improved fish diversity. 
Secondly, a noticeable fish spillover effect was observed toward adjacent control plots, 
despite their low spatial relief, resulting in a modest increase in both fish abundance and 
diversity. Thirdly, the observed variation in fish communities remained consistent across 
various organizational scales, encompassing individual fish species, as well as fish trophic 
and geo-ecological functional groups. 

Spatio-temporal variation in fish species composition revealed notable differences. 
The similarity percentages (SIMPER) analysis indicated an overall increase in fish species 
richness and community similarity over time within control plots: 41% (6 species) in 2008, 
51% (8 species) in 2012, 70% (10 species) in 2016, 67% (12 species) in 2020, and 73% (7 
species) in 2023. Initially, Stagastes xanthurus dominated (42%) fish abundance in 2008, but 
juvenile S. iseri became the predominant species (31%) in subsequent years: 2012, 2016 
(23%), 2020 (22%), and 2023 (27%). The increasing abundance of juvenile S. iseri explained 
most of the observed temporal variation within control plots from 2008 to 2012 (11%), 
while the increases in A. tractus between 2008 and 2016 (13%) and A. coeruleus between 
2008 and 2020 (12%) were significant contributors. Additionally, the rise in A. tractus be-
tween 2008 and 2023 (16%) explained a substantial portion of the observed temporal var-
iation within control plots. 

The SIMPER analysis revealed that fish species richness and community similarity 
increased over time within restored plots, with an average of 53% (12 species) in 2008, 59% 
(21 species) in 2012, 54% (27 species) in 2016, 55% (21 species) in 2020, and 64% (18 species) 
in 2023. Initially, S. xanthurus dominated (21%) fish abundance in 2008, but S. iseri became 
the dominant species (16%) in subsequent years: 2012, 2016 (14%), 2020 (16%), and 2023 
(17%). The declining abundance of juvenile Haemulon spp. explained most of the observed 
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temporal variation within restored plots from 2008 to 2012 (8%), while the increasing 
abundance of S. planifrons between 2008 and 2016 (7%) was notable. Furthermore, the in-
creasing abundance of A. coeruleus explained most of the observed temporal variation 
within restored plots between 2008 and 2020 (8%) and between 2008 and 2023 (10%). 

Juvenile S. iseri consistently constituted the highest abundance of fish species within 
both control plots (25%) and restored plots (15%) over time. Nonetheless, the increased 
abundance of Halichoeres bivittatus (6%), A. coeruleus (5.5%), and juvenile S. iseri (5%) in 
restored plots primarily accounted for the observed variation in fish species composition 
between restored and control plots. 

3.8. Spatio-Temporal Variation in Fish Biodiversity and Phylogenetic Dynamics 
Fish biodiversity experienced significant enhancement through A. palmata coral res-

toration efforts. Taxonomic diversity (Delta, ∆) in control plots was 79 in 2008, 80 in 2012, 
84 in 2016, 85 in 2020, and 81 in 2023 (Table 13). In contrast, Delta in the restored plots was 
82 in 2008, 86 in 2012, 90 in 2016, 89 in 2020, and 87 in 2023. There was a notable temporal 
variation in Delta (Pseudo-F = 7.21, p < 0.0001) and a significant treatment effect (Pseudo-
F = 26.42, p < 0.0001), while no significant time × treatment interaction was observed 
(Pseudo-F = 0.24, p = 0.9213) (Table 14). 

Table 13. Spatio-temporal variation in annual mean fish biodiversity measures (taxonomic distinct-
ness and phylogenetic diversity) in control and restored plots. 

Variables 1 08C 12C 16C 20C 23C 08R 12R 16R 20R 23R 

Tax Div, (Delta, ∆) 
78.74 80.05 84.12 84.81 81.16 82.02 85.65 89.97 89.15 86.78 
±5.23 ±3.50 ±1.71 ±2.03 ±2.09 ±4.71 ±2.54 ±1.14 ±0.84 ±1.20 

TD (Delta*, ∆*) 85.22 85.77 89.30 89.64 89.06 87.37 89.12 92.35 91.90 90.37 
±4.38 ±4.49 ±1.49 ±2.43 ±2.44 ±3.40 ±2.47 ±1.50 ±1.03 ±1.24 

AvTD (Delta+, ∆+) 
84.55 85.65 89.25 89.62 88.67 88.47 90.03 93.22 93.00 91.44 
±6.56 ±5.82 ±2.03 ±2.96 ±3.34 ±3.68 ±2.13 ±1.23 ±0.97 ±1.51 

TTD (sDelta+, s∆+) 
529.69 711.41 1025.36 1095.35 687.20 1005.42 1750.88 2607.38 2256.70 1941.58 
±172.90 ±149.02 ±213.35 ±129.88 ±86.98 ±370.76 ±603.42 ±416.35 ±245.88 ±105.82 

VarTD (Lambda+, Λ+) 
638.25 752.39 478.46 456.56 669.49 498.58 402.53 257.87 286.21 373.00 
±236.56 ±258.28 ±164.05 ±43.26 ±152.24 ±266.99 ±85.78 ±10.45 ±35.53 ±53.20 

AvPD (Φ+) 72.78 68.73 68.14 66.27 68.87 68.26 64.86 66.74 67.15 62.91 
±5.81 ±3.16 ±4.53 ±6.47 ±6.69 ±4.80 ±6.47 ±3.68 ±2.43 ±5.11 

Faith’s PD (sΦ+) 
450.00 568.75 781.25 806.25 531.25 781.25 1237.5 1856.25 1631.25 1331.25 
±114.91 ±100.77 ±155.43 ±88.05 ±54.32 ±312.07 ±355.88 ±232.75 ±203.39 ±36.75 

1 08 = 2008; 12 = 2012; 16 = 2016; 20 = 2020; 23 = 2023; C = Control plots (non-restored); R = Restored 
plots. Mean ± 95% confidence intervals. (a) Taxonomic diversity (Delta, ∆); (b) Taxonomic distinct-
ness—TD (Delta*, ∆*); (c) Average taxonomic distinctness—AvTD (Delta+, ∆+); (d) Total taxonomic 
distinctness—TTD (sDelta+, s∆+); (e) Variation in taxonomic distinctness—VarTD (Lambda+, Λ+); (f) 
Average phylogenetic diversity—AvPD (Φ+); (g) Total phylogenetic diversity—Faith’s PD (sΦ+). 

Taxonomic distinctness (Delta*, ∆*) averaged 85 in control plots during 2008, 86 in 
2012, 89 in 2016, 90 in 2020, and 89 in 2023 (Table 13). In restored plots, Delta* was 87 in 
2008, 89 in 2012, 92 in 2016 and 2020, and 89 in 2023. Delta* exhibited significant temporal 
variation (Pseudo-F = 4.14, p = 0.0076) and a significant treatment effect (Pseudo-F = 7.17, 
p = 0.0129), with no significant time × treatment interaction (Pseudo-F = 0.16, p = 0.9660) 
(Table 14). 

Average taxonomic distinctness (Delta+, ∆+) averaged 85 in control plots during 2008, 
86 in 2012, 89 in 2016, 90 in 2020, and 89 in 2023 (Table 13). In restored plots, Delta+ aver-
aged 88 in 2008, 90 in 2012, 93 in 2016 and 2020, and 91 in 2023. Delta+ exhibited significant 
temporal variation (Pseudo-F = 2.73, p = 0.0404) and a significant treatment effect (Pseudo-
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F = 10.01, p = 0.0021), with no significant time × treatment interaction (Pseudo-F = 0.07, p = 
0.9914) (Table 14). 

Total taxonomic distinctness (TTD, sDelta+, s∆+) was 530 in control plots during 2008, 
711 in 2012, 1025 in 2016, 1095 in 2020, and 687 in 2023 (Table 13). In restored plots, sDelta+ 
was 1005 in 2008, 1751 in 2012, 2607 in 2016, 2257 in 2020, and 1942 in 2023. sDelta+ demon-
strated significant temporal variation (Pseudo-F = 17.25, p < 0.0001) and a significant treat-
ment effect (Pseudo-F = 131.8, p < 0.0001), with no significant time × treatment interaction 
(Pseudo-F = 1.06, p = 0.3959) (Table 14). 

Table 14. Summary of a two-way crossed PERMANOVA test of the spatio-temporal variation in 
Log10-transformed fish biodiversity measures in restored and control plots. 

Source 1 df ∆ 2 ∆* ∆+ s∆+ Λ+ Φ+ 2 sΦ+ 
Time 4 7.21 4.14 2.73 17.25 4.26 0.93 15.85 

  0.0011 0.0076 0.0404 <0.0001 0.0059 0.9325 <0.0001 
Treatment 1 26.42 * 7.17 * 10.01 * 131.8 * 2.55 * 3.17 126.0 * 

  <0.0001 0.0129 0.0021 <0.0001 <0.0001 0.0829 <0.0001 
Time × Treatment 4 0.24 0.16 0.07 1.06 0.31 0.58 1.16 

  0.9213 0.9660 0.9914 0.3959 0.8770 0.6710 0.3475 
Residual 30        

1 Based on 9999 permutations; data = Pseudo-F statistic, p-value. 2 ∆ = Taxonomic diversity (Delta); 
∆* = Taxonomic distinctness (Delta*); ∆+ = Average taxonomic distinctness—AvTD (Delta+); s∆+ = To-
tal taxonomic distinctness—TTD (sDelta+); Λ+ = Variation in taxonomic distinctness—VarTD 
(Lambda+); Φ+ = Average phylogenetic diversity—AvPD; sΦ+ = Total phylogenetic diversity—Faith’s 
PD. * Dominant component of variation. 

Variation in taxonomic distinctness (VarTD, Lambda+, Λ+) was 638 in control plots 
during 2008, 752 in 2012, 478 in 2016, 457 in 2020, and 669 in 2023 (Table 13). In restored 
plots, Lambda+ was 499 in 2008, 403 in 2012, 258 in 2016, 286 in 2020, and 373 in 2023. 
Lambda+ exhibited significant temporal variation (Pseudo-F = 4.26, p = 0.0059) and a sig-
nificant treatment effect (Pseudo-F = 2.55, p < 0.0001), with no significant time × treatment 
interaction (Pseudo-F = 0.31, p = 0.8770) (Table 14). 

Average phylogenetic diversity (AvPD, Φ+) was 73 in control plots during 2008, 69 in 
2012, 68 in 2016, 66 in 2020, and 69 in 2023 (Table 13). In restored plots, Φ+ was 68 in 2008, 
65 in 2012, 67 in 2016 and 2020, and 63 in 2023. Φ+ showed no significant temporal varia-
tion (Pseudo-F = 0.93, p = 0.9395), no significant treatment effect (Pseudo-F = 3.17, p = 
0.0829), and no significant time × treatment interaction (Pseudo-F = 0.58, p = 0.6710) (Table 
14). 

Total phylogenetic diversity (Faith’s PD, sΦ+) averaged 450 in control plots during 
2008, 569 in 2012, 781 in 2016, 806 in 2020, and 531 in 2023 (Table 13). In restored plots, sΦ+ 
was 781 in 2008, 1238 in 2012, 1856 in 2016, 1631 in 2020, and 1331 in 2023. sΦ+ exhibited 
significant temporal variation (Pseudo-F = 15.85, p < 0.0001), a significant treatment effect 
(Pseudo-F = 186.0, p = 0.0829), and no significant time × treatment interaction (Pseudo-F = 
1.16, p = 0.3475) (Table 14). 

Superimposing the actual ∆+ values for the temporal variation in fish assemblages in 
control and restored plots reveals three key observations (Figure 9): (1) control plots dur-
ing 2008 and 2012, and to a lesser extent in subsequent years, exhibit significantly reduced 
average distinctness, while restored plots, particularly post-2016, closely approximate the 
∆+ values of the species master list; (2) fish ∆+ in the context of coral restoration impacts 
appears to be strongly influenced by habitat type (restored vs. non-restored control) and 
the time elapsed since the initial restoration intervention; and (3) there is a variable re-
sponse of ∆+ increasing in reaction to the restoration intervention, highlighting a modest 
fish spillover effect on adjacent control plots, where ∆+ also increases. 

Figure 10, depicting simulated variation in Λ+, reveals several notable findings: (1) 
control plots during 2008 and 2012, and to a lesser degree in subsequent years, exhibit 
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significantly higher variation in taxonomic distinctness, whereas restored plots, particu-
larly post-2016, closely resemble Λ+ values of the species master list; (2) in the context of 
coral reef restoration impacts, fish Λ+ also appears to be strongly influenced by habitat 
type (restored vs. non-restored control) and the time elapsed after the initial restoration 
intervention; and (3) there is a variable response of Λ+ decreasing in reaction to the resto-
ration intervention, potentially stemming from the sustainable establishment of fish as-
semblages on restored reef zones. 

 
Figure 9. The funnel plot for simulated average taxonomic distinctness—AvTD (∆+). The horizontal 
line indicates the mean ∆+ of the master species list, which is not a function of S. The boundary lines 
indicate the limits within which 95% of simulated ∆+ values lie. Points are the true temporal variation 
in AvTD (y-axis) for the control and restored plots in this study. Light blue = Restoration plots; Dark 
blue = Control plots (no intervention). 

 
Figure 10. The funnel plot for simulated variation in taxonomic distinctness—VarTD (Lambda+, Λ+). 
The horizontal line indicates the mean Λ+ of the master species list, which is not a function of S. The 
boundary lines indicate the limits within which 95% of simulated Λ+ values lie. Points are the true 
temporal variation in VarTD (y-axis) for the control and restored plots in this study. Light blue= 
Restoration plots; Dark blue = Control plots (no intervention). 

3.9. Spatio-Temporal Correlations between Coral Restoration and Fish Community Structure 
A significant positive multivariate correlation (Rho = 0.927; p = 0.0400) was found 

between fish trophic functional group structure, based on abundance within restored 
plots, and mean A. palmata colony height following a BEST-BIOENV test. This suggests 
strong effects of enhanced benthic spatial heterogeneity on fish assemblages. Addition-
ally, there was a significant positive correlation (Rho = 0.879; p = 0.0170) between fish 
trophic functional group abundance within adjacent control plots and mean A. palmata 
colony height within restored areas, indicating potential fish spillover effects from re-
stored to adjacent non-restored reef zones. However, no significant correlation (Rho = 
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0.648; p = 0.1710) was found between fishery target species abundance within restored 
plots and mean A. palmata colony height. A marginally significant correlation (Rho = 0.806; 
p = 0.0580) was observed between fishery target species abundance within adjacent control 
plots and mean A. palmata colony height, suggesting potential spillover effects of fishery-
targeted species from restored sites to open reef areas. 

A significant positive multivariate correlation (Rho = 0.830; p = 0.0480) was discovered 
between fish trophic functional group structure based on biomass within restored plots 
and mean A. palmata colony height, indicating robust effects of enhanced benthic spatial 
heterogeneity following restoration. Additionally, a significant positive correlation (Rho 
= 0.818; p = 0.0260) was observed between trophic functional group biomass within adja-
cent control plots and the combined mean A. palmata maximum colony diameter and col-
ony height, suggesting substantial fish spillover effects from restored to adjacent non-re-
stored reef zones. However, no significant correlation (Rho = 0.261; p = 0.3660) was found 
between fishery target species biomass within restored plots and mean A. palmata maxi-
mum colony diameter. Similarly, no significant correlation (Rho = 0.297; p = 0.3480) was 
found between fishery target species biomass within adjacent control plots and mean A. 
palmata colony height. 

The BEST-BIOENV test revealed a significant positive multivariate correlation (Rho 
= 0.891; p = 0.0280) between fish geo-ecological functional group structure, based on abun-
dance within restored plots, and mean A. palmata colony height. Additionally, a margin-
ally significant positive correlation (Rho = 0.830; p = 0.0640) was observed between fish 
geo-ecological functional group abundance within adjacent control plots and mean A. pal-
mata colony height. Moreover, a significant positive multivariate correlation (Rho = 0.842; 
p = 0.0440) was found between fish geo-ecological functional group biomass within re-
stored plots and mean A. palmata colony height. However, no correlation (Rho = 0.673; p = 
0.1020) was detected between fish geo-ecological functional group biomass within adja-
cent control plots and mean A. palmata colony height. These findings suggest that restora-
tion-induced enhancement of benthic spatial heterogeneity contributes to the rehabilita-
tion of fish geo-ecological functions. Furthermore, the results imply fish spillover effects 
from restored to adjacent non-restored reef zones, which modestly aid in the recovery of 
fish geo-ecological functions even in adjacent non-restored areas. 

The BEST-BIOENV test did not reveal a significant multivariate correlation (Rho = 
0.661; p = 0.1550) between overall fish community structure within restored plots and 
mean A. palmata colony height. However, a significant positive correlation (Rho = 0.879; p 
= 0.0160) was observed between fish community structure within adjacent control plots 
and mean A. palmata colony height, indicating potential strong fish spillover effects from 
restored to adjacent non-restored reef zones. Furthermore, no significant multivariate cor-
relations (Rho = 0.721; p = 0.1150) were found between fish biodiversity and phylogenetic 
metrics and mean A. palmata colony height, nor were there significant correlations be-
tween fish biodiversity and phylogenetic metrics within adjacent control plots and mean 
A. palmata colony height (Rho = 0.212; p = 0.2900). 

4. Discussion 
4.1. Restored Acropora palmata Growth 

Community-based Elkhorn coral (A. palmata) ecological restoration effectively re-
stored a winter swell-impacted coral population on shallow, high-energy reefs along the 
northern coast of Puerto Rico. Over 15 years, A. palmata out-plants demonstrated remark-
able success, with high survival rates and significant growth: a 13-fold increase in colony 
maximum diameter, a 177-fold increase in colony surface area, and a 20-fold increase in 
colony height. The observed coral survival and growth rates align with other reports of 
out-planted A. palmata [74] and surpass previous emergency restoration efforts in Puerto 
Rico [91]. Restored corals exhibited an average annual skeletal linear extension rate of 
~16.2 cm, surpassing growth rates of wild A. palmata colonies elsewhere, averaging 7.6 to 
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8.8 cm [92], 4.7 to 9.9 cm [93], 7.4 to 9.0 cm [94], and 6.9 cm [95]. Additionally, annual 
vertical colony growth of approximately ~5 cm was documented, consistent with findings 
in Florida of 1.5 to 4.8 cm per year [96]. Notably, no out-planting handling stress, such as 
bleaching or mortality, was observed in this study, unlike in other studies [73]. This suc-
cess may be attributed to safe handling procedures, ongoing community-based monitor-
ing and maintenance, the use of appropriately sized colony clipped fragments, potential 
high coral genetic diversity [96], and unique local oceanographic dynamics characterized 
by strong surface circulation, oxygenation, and frequent upwelling episodes. 

Coral demographic performance improves with larger out-planting clipping size 
[74]. Variable effects of fragment size on survival have been observed for restored 
Acroporid coral fragments, suggesting enhanced survival of larger fragments [71,76,97–
99]. Upwelling dynamics were also found to play a vital role in promoting improved het-
erotrophy in restored A. palmata [100]. Overall, the health of out-planted corals in this 
study was good. However, factors such as water quality stress (i.e., sewage pollution, eu-
trophication) have impacted in the past local coral assemblages adjacent to the shoreline 
in Vega Baja [6,77,78,81], which might have affected macroalgal growth, coral survival, 
and growth. Nevertheless, this was not a critical factor in this study. In addition, coral 
predation by corallivore species, such as gastropod Coralliophila abbreviatta and fireworm 
Hermodice carunculate, was common throughout the study area, but not quantified in this 
study. Corallivory has been shown to be an important factor affecting coral survival and 
growth [101]. Despite these factors, natural recovery ability was remarkable for the re-
stored A. palmata population. This study confirmed previous findings suggesting that as-
sisted coral propagation using coral clippings could increase living tissue of branching 
corals in relatively short intervals of time, without serious damage to the donor colonies 
[102], and can become a vital tool for the restoration of high-energy coral reef ecological 
functions, including the long-term attenuation of wave energy and runup, but also its role 
as an essential fish habitat. 

4.2. The Impact of Acropora palmata Restoration on Fish Community Structure 
Coral restoration efforts yielded notable permanent improvements in various aspects 

of fish communities, including increased abundance, biomass, and diversity across differ-
ent trophic functional groups like herbivores, carnivores, and omnivores. There was a sig-
nificant overall temporal variation in fish community structure, with restored plots show-
ing a significant enhancement in fish species richness, abundance, biodiversity, and bio-
mass. Despite the challenges posed by local fishing pressure, there was also a significant 
rise in fishery target species abundance and biomass, as well as in the abundance and 
biomass of fish geo-ecological functional groups. Various fish biodiversity metrics corrob-
orated the positive impacts of coral restoration, further supported by significant spatio-
temporal correlations of fish assemblage metrics with A. palmata restoration metrics. How-
ever, despite these enhancements, mean biomass values remained considerably below 
global benchmarks for unfished coral reefs on a global scale (~1000 kg/ha or 10,000 g/100 
m2) [103], emphasizing the urgent need for protective measures like establishing a no-take 
marine protected area (MPA) to address the overfished status of the Vega Baja coral reef 
systems. 

The ABC analysis suggested that the strongly disturbed state during the 2012 survey, 
resulting from recurrent illegal sewage dumping, coastal water eutrophication, and heavy 
turbidity and sedimentation from adjacent riprap construction [6,77,78,81], was evident 
when the abundance k-dominance curve rose above the biomass curve (2012 control), or 
when both lines were fully aligned throughout their length (2008 control, 2012 restored 
plot). This phenomenon could be attributed to the loss of large-bodied �climax’ species 
and the proliferation of small-bodied opportunists during sewage and high turbidity 
stress at the time. Conversely, most of the remaining samples from both control and res-
toration plots between 2016 and 2023 exhibited the benefits of A. palmata restoration on 
fish assemblages, reflected in the undisturbed ABC pattern (biomass curve consistently 
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above the abundance curve). This provides important evidence of the sustainable nature 
of the benefits of A. palmata restoration once chronic local human-derived environmental 
stressors were significantly curtailed. 

Fish geo-ecological functional groups play a fundamental role in the processes of bi-
oerosion, framework breakage, and sediment transport, directly impacting the formation 
of reef frameworks, and the sustainability of reef structural complexity and carbonate 
budgets [47]. Reef restoration may lead to nonuniform impacts on geo-ecological func-
tions probably as a function of changes in substrate composition, spatial heterogeneity, 
enhanced percent live coral cover, and taphonomy across restored backreef and crest hab-
itats. Particularly, structural complexity modification and carbonate framework budgets 
within restored plots are suggested as the main drivers of changes in fish geo-ecological 
functional group assemblages in this study. These results share new light in the geo-eco-
logical roles of coral restoration across the Caribbean and point out the importance of res-
toration on modifying processes such as carbonate sediment turnover and redeposition, 
oxygenation of sediment layers, oxidation of organic matter, and releasing of dissolved 
nutrients from sediments, contributing to the formation of “nutrient hotspots” around re-
stored sites. 

The A. palmata restoration initiative also led to a significant and sustained improve-
ment in both the overall taxonomic and phylogenetic diversity of fish. This study consti-
tutes the first known quantification of fish taxonomic distinctness and phylogenetic diver-
sity within a coral restoration project. Control plots, especially in 2008 and 2012, experi-
enced notable low values in average taxonomic distinctness, primarily due to the domi-
nance of a few herbivore species (e.g., S. iseri, A. coeruleus, A. tractus, S. xanthurus). In con-
trast, restored plots, particularly post-2016, approached ∆+ values like the species master 
list, attributed to increased colonization by diverse fish species of restored areas with 
higher coral cover and spatial complexity. The impact of coral reef restoration on fish ∆+ 
seems heavily influenced by habitat type (restored vs. non-restored control) and time 
elapsed since restoration. 

Enhanced fish taxonomic distinctness and phylogenetic diversity in coral reefs have 
significant ecological, functional, and conservation implications. High taxonomic and 
phylogenetic diversity generally contributes to the stability and resilience of coral reef 
ecosystems. Diverse fish communities can better withstand environmental stresses and 
disturbances, such as storms, bleaching events, and pollution. A diverse assemblage of 
species means that ecological functions are more likely to be maintained even if some spe-
cies are lost, due to functional redundancy. Greater taxonomic and phylogenetic diversity 
also ensures a more efficient use of available resources, as different species often have 
varied niches and resource requirements. This reduces competition and allows for the 
more complete exploitation of the ecosystem’s resources, leading to enhanced energy 
transfer and net productivity. Different species contribute uniquely to ecosystem pro-
cesses such as nutrient cycling, sediment turnover, and algal control. Phylogenetically di-
verse communities can enhance these processes, leading to healthier and more productive 
coral reefs. 

Enhanced biodiversity can also have important functional impacts. Different species 
contribute uniquely to ecosystem processes such as nutrient cycling, sediment turnover, 
and algal control. Phylogenetically diverse communities can enhance these processes, 
leading to healthier and more productive coral reefs. Increased diversity can also lead to 
more complex food webs and interactions among species, including predation, symbiosis, 
and competition. This complexity can stabilize food webs and enhance the overall func-
tion of the ecosystem. Diverse ecosystems are often more resistant to invasions by non-
native species. The variety of niches and competition among native species can prevent 
invaders from establishing and spreading. Phylogenetic diversity may help in reducing 
the spread and impact of diseases. Pathogens that affect specific groups are less likely to 
cause widespread damage in a phylogenetically diverse community. 
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Conservation strategies that focus on maintaining or enhancing taxonomic and phy-
logenetic diversity help preserve the evolutionary history and potential of coral reef eco-
systems. This is crucial for maintaining genetic resources and the ability of species to 
adapt to future changes. Understanding taxonomic and phylogenetic diversity can help 
prioritize areas and species for conservation. Areas with high phylogenetic diversity may 
be given higher priority due to their irreplaceability and the unique evolutionary history 
they represent. Diverse fish communities contribute to various ecosystem services such as 
tourism, fishing, and coastal protection. Maintaining diversity ensures that these services 
are sustained and can continue to support local and global economies. Coral reefs with 
higher fish taxonomic and phylogenetic diversity tend to be more resilient to bleaching 
events. For instance, reefs with a wide range of herbivorous fish species are better at con-
trolling algal blooms that can otherwise smother corals. Phylogenetic diversity is a good 
predictor of ecosystem multifunctionality, meaning that ecosystems with higher phyloge-
netic diversity tend to perform better across multiple ecological functions simultaneously. 

Coral restoration leading to enhanced fish taxonomic distinctness and phylogenetic 
diversity in coral reefs is vital for the health and sustainability of these ecosystems. It leads 
to improved ecosystem functioning, stability, and resilience; supports biodiversity con-
servation; and maintains crucial ecosystem services. Conservation and restoration efforts 
should thus focus on protecting and promoting diversity at both the species and phyloge-
netic levels to ensure the long-term vitality of coral reef ecosystems. 

Potential sources of variation observed during the 2020 and 2023 sampling efforts in 
fish abundance, biomass, and biodiversity might be associated with observed sea surface 
warming trends across the northeastern Caribbean that led to minor to moderate bleach-
ing in 2019, and 2021, and to massive bleaching in 2023. The 2023 sampling event occurred 
prior to massive bleaching. However, this event resulted in minor coral mortality across 
the restored plots (Hernández-Delgado, unpublished data). Also, minor fragmentation 
from recurrent winter storm events and recent hurricanes (i.e., María—2017, Fiona—2022) 
caused minor impacts across the study site that were immediately restored but might have 
affected fish assemblages. Also, potential adverse spearfishing and hook and line fishing 
impacts might have also affected the outcomes of this study, a factor that was beyond our 
control and beyond the scope of this study. 

Several important lessons learned showcase the benefits of coral restoration on fish 
community enhancement. 
1. Community-based engagement is vital to achieve sustainable coral survival and growth—

Community-based stewardship and support were pivotal in achieving successful 
coral out-planting in Vega Baja over 15 years. Sustainable success in coral restoration 
hinges on various factors, including (a) comprehensive hands-on training and exper-
tise of citizen scientists; (b) effective coral collection, handling, and out-planting tech-
niques; (c) careful substrate selection to mitigate sediment bedload impacts, abrasion, 
or burial; (d) continuous maintenance of coral out-plants, especially in the initial year, 
including macroalgal and corallivore management and removal, and the emergency 
stabilization and restoration of additional colony fragments in restored patches post-
storms or -winter swells; (e) favorable natural oceanographic conditions to ensure 
robust water circulation; and (f) recovered fish assemblages. Early community en-
gagement in coral out-planting and monitoring, coupled with prompt responses to 
emergency restoration needs after storm or hurricane disturbances, was crucial in 
sustaining restoration success. This approach was vital in fostering continuous coral 
survival and growth and in promoting sustainable enhancement of fish habitats. 

2. Coral restoration enhanced benthic spatial heterogeneity—The observed improvement in 
fish assemblages was mainly attributed to the success of coral restoration efforts and 
the resulting increase in benthic spatial heterogeneity, as suggested by the BEST-BI-
OENV analysis. Acropora palmata cover, colony height, and benthic structural com-
plexity were consistently higher in restored plots compared to unrestored control 
plots, aligning with findings from other regions such as Florida, the U.S. Virgin 
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Islands, Thailand, and the Maldives [69]. Increased benthic structural complexity 
plays a critical role in shaping coral reef fish communities [58,59]. 

3. Enhanced benthic spatial heterogeneity attracts abundant fish assemblages and creates “nu-
trient hotspots”, which enhance coral growth—Enhanced growth and spatial complexity 
of Acroporid corals played a crucial role in shaping fish assemblages through positive 
feedback mechanisms. This finding is consistent with previous research conducted 
in Florida, the U.S. Virgin Islands, and the Philippines [67,70,104]. Increased fish 
abundance also contributes positively to coral communities, potentially enhancing 
their survival and growth. Fish-derived nutrients, particularly when fish aggregate 
in specific locations over time, create “nutrient hotspots”, especially on restored coral 
patches [105,106]. We propose that abundant fishes sheltering in dense restored coral 
patches deliver nutrients back to the out-planted coral, promoting faster growth and 
creating habitat complexity, which further supports the recovery of depleted fish as-
semblages. These hotspots can influence coral survival and growth, thereby affecting 
ecosystem processes and community structure. Coral morphologies that facilitate 
low water flow between branches, such as those of Acropora spp., effectively retain 
these nutrients. Previous studies have demonstrated that dense thickets of A. cervi-
cornis, which supported dense fish aggregations in Florida, exhibited significantly 
higher growth rates, tissue nitrogen levels, and zooxanthellae densities than sparse 
coral aggregations with fewer fish, indicating greater nutrient bioavailability at high 
coral densities [106]. 

4. Long-term coral restoration success sustainably enhances fish assemblages—Restoring ben-
thic habitat complexity through long-term restoration efforts creates a variety of mi-
crohabitats that support higher fish abundance and biomass, a phenomenon ob-
served in various studies, including those in Florida [70]. Juvenile scarids and dam-
selfishes, known herbivores, consistently respond positively to restoration efforts, as 
seen in similar observations in Florida [68]. While there has been limited quantitative 
evaluation of coral restoration impacts on fish assemblages [107], previous accounts 
often involve a combination of coral out-planting and artificial structures [104,108–
110] or high-density coral transplanting [111]. Even coral larval out-planting efforts 
have shown modest yet significant increases in fish abundance [112]. Findings in this 
study align with previous studies, especially those involving high-density coral 
planting [104,113], which enhances spatial complexity and provides shelter for nu-
merous fish species. 

5. Coral restoration enhances fish trophic functional redundancy and restores ecosystem pro-
cesses—The substantial growth of restored corals in this project significantly en-
hanced all fish trophic functional groups, particularly herbivores, aligning with the 
existing literature. The increased abundances of scarids observed here are consistent 
with previous findings following Acroporid transplanting [106]. Similarly, the ob-
served increases in pomacentrids line up with other studies [68,114]. Previous evi-
dence highlights the significant enhancement of herbivore guilds following coral res-
toration efforts [68,115], whether through the deployment of artificial structures with 
transplanted corals [116–118] or the rehabilitation of natural benthic spatial relief 
[119]. Our findings underscore the restoration of two crucial ecological processes: fish 
recruitment and herbivory. Increasing herbivore density and biomass is essential for 
sustaining coral reef ecosystems by grazing macroalgae, facilitating colonization by 
coralline algae, nutrient cycling from adjacent sediments, and promoting coral re-
cruitment. Herbivores also support coral growth and survival by controlling 
macroalgal cover [66,120,121]. Moreover, enhanced shelter for herbivorous fishes via 
coral restoration may indirectly aid in controlling algal overgrowth across adjacent 
reef substrates and fostering coral recruitment, thus supporting the natural recovery 
processes of reefs [80,122–125]. 

6. Restored coral patches become refugia for fishery target species—This study highlights the 
significant contribution of restoring fast-growing branching coral species, such as A. 
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palmata, to the long-term increase in abundance and biomass of several crucial fishery 
target species (e.g., Serranidae, Lutjanidae, Haemulidae, Scaridae). It underscores 
that even overfished coastal areas can experience some degree of recovery among 
vulnerable species to fishing. This aligns with previous findings showing an in-
creased abundance of haemulids following Acroporid coral restoration [106]. In this 
context, assessing the trophic and morphological trait composition of recovering fish 
assemblages is both novel and highly dynamic [126] and should be quantified to com-
prehend the long-term impacts of coral restoration on the management of fishery tar-
get species and priority conservation species. 

7. Coral restoration enhances fish geo-ecological functions—This study revealed a significant 
long-term increase in the abundance and biomass of fish species contributing to four 
key geo-ecological functions on reefs: (a) reef framework modification via bioerosion 
and framework breakage; (b) the production and modification of new sedimentary 
CaCO3; (c) reworking and mixing of existing sediments; and (d) sediment transport 
[47]. These functions, involving various fish families, play crucial roles in reef accre-
tion rates, sediment cycling, nutrient cycling, sediment oxygenation, shoreline sedi-
ment supply, and sediment pore–water chemistry [47]. This quantification of coral 
restoration impacts on fish geo-ecological functional groups is a novel contribution, 
with implications for reef structural maintenance and sustainability, and for tapho-
nomic processes. Furthermore, these functions may directly influence the survival 
and growth of storm-generated coral fragments and small out-plants, highlighting 
the critical role of the fish trophic condition in achieving successful coral recovery 
post-disturbance or post-restoration efforts. Understanding the long-term effects of 
coral restoration on reef geo-ecological processes is essential for informed manage-
ment and conservation strategies. 

8. Restoration of fish dispersal paths enhances fish spillover effects—Throughout this study, 
a significant fish spillover effect was observed, manifesting in increased fish species 
richness, taxonomic distinctness, and phylogenetic diversity, and an enhanced abun-
dance and biomass of various species, trophic functional groups, and geo-ecological 
functional groups on adjacent control (non-restored) plots. The most abundant spe-
cies on control plots were juveniles of S. iseri, along with browser herbivores A. co-
eruleus and A. tractus, and non-denuder herbivore S. xanthurus, which mirrored their 
abundance across adjacent restored plots. These changes in fish assemblages were 
attributed to enhanced spillover effects from adjacent restored plots with higher fish 
densities. Such spillover effects, documented extensively from marine protected ar-
eas (MPAs) to adjacent fishing areas [127–129], have been observed particularly in 
herbivore fish guilds [130,131]. Habitat continuity and spatial scale were found to 
influence these effects [132]. In the case of this study, fish spillover effects were sig-
nificant at the 100 m2 plot scale in the context of restoration success of A. palmata 
patches. This underscores the importance of preserving and restoring fish dispersal 
paths to promote ecological connectivity [133]. The approach of promoting A. palmata 
restoration by strategically forming small, interconnected patches facilitated the res-
toration of fish dispersal paths at plot scales, leading to a significant long-term spill-
over effect. This highlights the potential of restoring fish dispersal paths to enhance 
fish communities, restore vital ecological functions, and contribute to the overall re-
habilitation of coral reef biodiversity and ecological sustainability at the reef patch 
scale. 

4.3. Sustainable Cross-Scale Benefits of Community-Based Coral Restoration 
The community-based coral restoration efforts on shallow, high-energy coral reefs in 

Vega Baja yielded numerous benefits across multiple scales, including the recovery of 
highly endangered Elkhorn coral (A. palmata), enhancement of coral reef benthic and fish 
community structure, support for fishery-targeted species, and restoration of crucial eco-
logical functions, ecosystem resilience, and services (Figure 11). The interactions between 
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fishes and their restored coral reef habitat have yielded sustainable benefits [107]. Firstly, 
the introduction of benthic spatial complexity and microhabitat diversity by restored cor-
als offers shelter for reef-associated species within out-planted corals. Focusing on fast-
growing Acroporid corals during restoration provides transplant species with various 
morphologies, densities, and shade-producing properties within a relatively short period 
of time, crucial for rapid enhancement of fish assemblages. Additionally, fishes benefit 
from increased food sources, including coral, various invertebrates, adjacent macroalgae, 
and other fishes. Through these trophic interactions, fishes play positive roles in restora-
tion projects, such as herbivory to control algae growth and the provision of nutrients for 
coral growth. They also contribute to the opening of a reef substrate for colonization by 
crustose coralline algae, thereby promoting coral larval recruitment. However, it is im-
portant to note that increasing territorial damselfish (Pomacentridae) densities can poten-
tially cause localized coral mortality, which could be balanced by increasing piscivore 
densities, highlighting the need to regulate fishing activities in restored locations to max-
imize restoration impacts on piscivore guilds. Additionally, fish contribute to the rehabil-
itation of CaCO3 sediment dynamics, thereby supporting reef formation processes, sedi-
ment transport, and shoreline maintenance. 

 
Figure 11. Conceptual design of the long-term ecological benefits of coral restoration on fish assem-
blages and their geo-ecological functions. 

4.4. The Sustainable Benefits of Restoring Seascape Nurseries 
Several key aspects of enhancing benthic spatial relief through coral restoration [107] 

warrant highlighting. High-complexity corals, exemplified by A. palmata, offer shelter op-
portunities for various prey items, such as juvenile fishes, cryptic fish, and invertebrates, 
thereby reducing predatory success and locally enhancing biodiversity, fostering the 
emergence of a seascape nursery. A seascape nursery is a spatially explicit seascape com-
prising multiple mosaics of habitat patches that are functionally connected [134]. The in-
creased availability of microhabitat refuges may elevate prey fish abundance, creating 
more opportunities for attracting intermediate predators (e.g., Serranidae, Lutjanidae, 
Haemulidae), as observed in this study. Within restored A. palmata patches, small spaces 
provide shelter for prey, while large spaces increase predator abundance. Dense thickets 
of Acroporid corals also diminish water circulation within branches, thereby retaining 
plankton and fish-derived nutrients. Moreover, shade-producing tabular colonies of A. 
palmata offer suitable shelter for juveniles of numerous species and nocturnal fishes, as 
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well as protection from UV light. Tabular corals from the Indo-Pacific are recognized for 
shaping fish assemblages even when occupying a small proportion of total coral cover 
[107]. In the Atlantic, only one Acroporid species exhibits a specific genotype that pro-
duces nearly tabular-shaped colonies, which dominated the morphotype across restored 
areas (Figure 1). 

Additionally, connectivity with other ecosystems profoundly influences fish abun-
dance and biomass [60,135] and can foster the recovery of benthic communities after dis-
turbances [136]. In this study, restored plots were strategically positioned adjacent to var-
ious ecosystems, including open shallow reef substrates, sandy shorelines, rocky inter-
tidal habitats, submerged paleo-shorelines, wave breaker areas, shallow forereef terraces, 
and backreef seagrass meadows, ensuring ecological connectivity. We posit that this pro-
ject effectively enhanced a segment of the seascape nursery for numerous reef fish species. 
Hotspots of high animal abundance or productivity delineate the core area of a habitat 
mosaic, constrained spatially by the home ranges of its inhabitants [134]. In this context, 
the A. palmata restored plots serve as such a hotspot. Dispersal pathways linking these 
hotspots with adjacent non-restored habitats at broader spatial and temporal scales, facil-
itated by ontogenetic habitat shifts or inshore–offshore migrations, likely account for the 
observed modest but significant fish spillover effects to adjacent non-restored areas. This 
underscores the importance of incorporating the concept of seascape nursery restoration 
into future objectives of shallow coral reef restoration initiatives. 

4.5. Recommendations and Lessons Learned for Sustainable Recovery of Ecological Functions 
There are important recommendations and lessons learned stemming out of this 

study that may contribute to improving future impacts of restoration efforts of shallow, 
high-energy coral reef habitats on fish communities. 
1. Focus on fast-growing, branching reef-builders—Shallow-water coral restoration aims to 

replenish species, promote reef accretion, and enhance fisheries and biodiversity 
while restoring ecological functions and services. Prioritizing fast-growing coral spe-
cies like Acroporids is crucial for swift results. However, the Caribbean’s limited 
functional redundancy poses challenges, with only 3 of the 171 known extant 
Acroporid species. Given this constraint, focusing on enhancing the genetic diversity 
of dominant shallow-water reef building species like A. palmata is essential. Strategies 
should include gradually increasing out-planting density from at least one colony 
per 4m2 to one colony per m2 to improve genetic resilience and reef accretion, and 
potentially long-term impacts on essential fish habitats and on wave energy attenua-
tion functions. 

2. Rapidly increase habitat complexity—Restoration efforts must prioritize increasing hab-
itat complexity to support diverse fish communities. This can involve using man-
made structures and/or transplanting intricate corals, particularly Acroporid species, 
for quick results. Introducing varying levels of complexity, such as combining differ-
ent coral species or morphotypes, is essential. High complexity provides shelter for 
prey and juvenile fishes, while gaps among colonies or moderate coral densities en-
sure habitats for larger predators. Incorporating shade-producing tabular corals 
alongside branching morphotypes is crucial for shallow reef restoration projects to 
enhance sheltering properties [107]. Additionally, locating restoration sites near man-
grove and seagrass habitats can enhance fish populations by enhancing habitat con-
nectivity, and providing nursery and foraging areas. Creating coral patch habitat mo-
saics, especially near wave breaker and backreef areas, supports long-term goals such 
as wave energy attenuation and shoreline protection against erosion, safeguarding 
infrastructure, and shoreline ecosystems. 

3. Promote the formation of “nutrient hotspots” in restored patches and coral nursery plots—
Creating “nutrient hotspots” within restored coral patches is crucial for coral survival 
and growth. This requires establishing diverse benthic habitat complexity and 
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attracting abundant fish assemblages. Out-planting various coral morphologies, in-
cluding closed ones, creates microhabitats for fish. In situ coral nurseries near re-
stored plots or restored coral nursery plots can sustainably provide clippings for fu-
ture restoration within approximately three years. Nursery plots can support diverse 
coral genets, attracting fish and further enhancing nutrient hotspots. They eliminate 
the need for plastic nursery units or artificial structures and offer long-term ecological 
benefits, including wave energy attenuation and recovery of nursery seascapes. Ad-
ditionally, they provide sustainable economic opportunities for local communities. 

4. Promote sustainable herbivory and macroalgal removal—Ensuring the presence of suffi-
cient herbivorous fish before restoration is crucial for success. Conducting surveys 
beforehand provides quantitative data on herbivore fish guilds, including sea urchin 
density, especially in the Caribbean region where long-spine urchins (D. antillarum) 
are key herbivores. Mechanical removal of macroalgae and cyanobacterial mats may 
be necessary initially while grazing populations of fish and urchins establish. Resto-
ration efforts should ideally occur within no-take marine protected areas (MPAs) or 
areas with high biomass and diversity of grazers. Surveying territorial damselfish 
(Pomacentridae) beforehand helps determine the need for hand removal during early 
restoration stages. 

5. Size does matter in coral restoration!—Out-planting larger Acroporid coral fragments or 
clippings is recommended to increase survival rates. To mitigate corallivory, it is ad-
visable to rear juvenile corals to larger sizes before transplantation or collect larger 
clippings from branching corals. Conducting surveys to quantify corallivore abun-
dance before restoration is important. Out-planting a variety of coral species and/or 
morphologies may help minimize corallivore impact, although this may not always 
be feasible in regions like the Caribbean. For Acroporid coral fragments, sizes rang-
ing from 10 to 25 cm per clipping are preferable for higher survival rates compared 
to smaller fragments (e.g., 5 to 10 cm). 

6. Attract predator assemblages—Coral restoration projects should prioritize attracting 
predator assemblages. Conducting quantitative surveys of predatory fish popula-
tions before and after restoration is essential to gauge impacts. Situating restoration 
projects within no-take MPAs or lightly fished areas can enhance success by protect-
ing predatory species. However, careful planning of spatial configuration, including 
placement across reef zones, is crucial to achieving this goal. Designing restoration 
patches with a mix of small (<1 m), medium (1–3 m), and large gaps (3–5 m) among 
out-planted coral colonies is important, especially for Acroporid corals, to create di-
verse fish microhabitats. Smaller spaces attract smaller individuals and juveniles, 
while larger predators prefer larger gaps. Incorporating fishing protection measures, 
where possible, can further enhance the attraction of predator assemblages and over-
all project success. 

7. Rehabilitate key coral reef ecological processes—The proposed concept aims to utilize eco-
logical processes driving community dynamics on coral reefs to support the estab-
lishment and growth of restored corals [137]. Key processes such as herbivory, pre-
dation (including corallivory), coral heterotrophy, and nutrient cycling can be ma-
nipulated to enhance coral restoration outcomes [138]. By promoting herbivory to a 
naturally open reef substrate and increasing predation on corallivores and sponges, 
coral survival rates can be boosted. This approach involves enhancing the top–down 
mediation of spatial competition and corallivory to benefit corals, thereby making 
restoration more effective and cost-efficient. Long-term strategies may include in-
creasing habitat complexity, creating nutrient hotspots, and potentially implement-
ing fishing regulations in restoration areas. The key idea is to control factors such as 
out-plant density, diversity, morphology, and genetic identity, along with site selec-
tion and spatial design, to restore positive feedback processes and improve restora-
tion success [137]. 
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8. Acoustic enrichment strategies—Novel acoustic enrichment strategies, if feasible eco-
nomically, logistically, and technologically, were shown to boost fish community de-
velopment by enhancing recruitment across major trophic guilds. This led to a dou-
bling in overall abundance and a 50% increase in species richness [139]. When com-
bined with coral restoration efforts and effective conservation measures, this ap-
proach has the potential to expedite the rebuilding of fish communities and ecosys-
tem recovery across various spatial and temporal scales, especially in severely de-
graded coral reef environments. 

9. Considerations for restoration site selection—Important criteria for ranking and selecting 
reef locations for restoration include the following: (a) Existing coral cover—Prioritize 
areas with the best available substrate and ensure local propagule availability; (b) 
Available clean substrate—Avoid potential benthic competitors such as Millepora spp., 
encrusting algae (e.g., Ramicrusta textilis), macroalgae, and sponges; (c) Water depth—
Ensure appropriate irradiance, water circulation, and community composition; (d) 
Presence of herbivores—Ensure herbivory to minimize the macroalgal out-competition 
of corals; (e) Out-planting spatial design—Ensure a diverse spatial array of microhabi-
tats and spatial configuration considering depth, wave action, and original benthic 
topography; (f) Out-plant close to existing coral—Promote coral survival and growth 
by planting near existing coral; (g) Abundance of coral predators—Avoid coral preda-
tors and promote fish assemblages to control corallivore invertebrates; (h) Out-plant 
near fish aggregations—Attract larger fish aggregations by planting near areas of high 
spatial complexity; (i) Presence of territorial damselfish–Avoid high damselfish densities 
and enhance predator assemblages; (j) Start small, then scale up—Begin restoration 
projects on small scales to assess coral performance before large-scale endeavors; and 
(k) Level of human visitation—Minimize direct human impacts (e.g., trampling, an-
choring, vessel wakes) in areas subjected to intense visitation through regulations 
like guided visits or carrying capacity limits. These criteria should ensure restoration 
success by considering ecological factors, habitat conditions, and potential human 
impacts on reef ecosystems. 

10. Increase restoration efficiency and sustainability—In a context of limited funding and lo-
gistical challenges, increasing restoration cost- and time-effective efficiency is crucial. 
This may include important strategies [140]: (a) Focus on scale and cost-effectiveness—
Plan projects carefully with clear goals, involving community engagement and sup-
port to maximize impact and stewardship. (b) Explore larval-based restoration—If fea-
sible, invest in larval rearing efforts to enhance coral recruit health, growth, and sur-
vival. Alternatively, establish natural coral nursery plots as a low-budget alternative 
for expanding interventions. (c) Implement genetic management—Ensure that the res-
toration of threatened coral species aligns with population-genetics principles. Tag-
ging corals according to their genetic origin can help track their lineage. (d) Adopt a 
holistic approach—Embrace ecosystem-based strategies that prioritize enhancing hab-
itat complexity, biodiversity, fish assemblages, “nutrient hotspots”, dispersal paths, 
and reef ecological processes for comprehensive ecosystem recovery. (e) Support com-
munity-based practitioners—Empower local restoration initiatives through community 
engagement. This approach fosters long-term sustainability, stewardship, and suc-
cess, crucial for restoring fish populations and long-term reef health. 

5. Conclusions 
The community-based restoration of Elkhorn coral (A. palmata) in Vega Baja, Puerto 

Rico, was remarkably successful in achieving significant coral survival and growth, and 
in promoting the recovery of fish assemblages, despite fishing pressure. Over 15 years, 
coral cover, colony size, and benthic complexity significantly increased, thanks to dedi-
cated community volunteers. This led to the recovery of fish populations, including her-
bivores and key fishery target species. Both restored and control areas saw higher abun-
dance and biomass across trophic and functional groups, driven by benthic increased 



Sustainability 2024, 16, 5985 37 of 43 
 

 

spatial complexity, the formation of “nutrient hotspots” due to enhanced and aggregated 
fish assemblages, improved fish dispersal paths, and restored seascape nurseries. There 
was also a significant improvement in fish species richness, diversity index, taxonomic 
distinctness, and phylogenetic diversity. Such modifications in fish community structure 
were significantly correlated with restored A. palmata growth and enhanced spatial com-
plexity. This recovery bolstered crucial ecological processes like herbivory, aiding coral 
colonization and sediment and nutrient dynamics essential for reef health and shoreline 
stability. 

The Anthropocene era presents increasing challenges for coral reef ecosystems, in-
cluding rising local stressors, but also climate change, ocean acidification, and rising sea 
levels, leading to habitat degradation and increased vulnerability. In response, coral reef 
restoration efforts, especially in shallow fringing habitats, are crucial in the long term for 
ecosystem resilience against wave action. However, practitioners often face obstacles such 
as limited resources, technological constraints, and regulatory issues. Additionally, une-
qual access to funding and governance gaps exacerbate these challenges, hindering resto-
ration success. Integrating fish assemblage recovery into restoration strategies is impera-
tive for enhancing overall effectiveness and sustainability. This approach offers multifac-
eted benefits, from species-level impacts to ecosystem processes, while promoting cost-
effective, community-driven management, stakeholder engagement and support, and an 
empowering story of success. 
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