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Abstract: Intensive agriculture alters headwater streams, but our understanding of its effects is
limited in tropical regions where rates of agricultural expansion and intensification are currently
greatest. Riparian forest protections are an important conservation tool, but whether they provide
adequate protection of stream function in these areas of rapid tropical agricultural development has
not been well studied. To address these gaps, we conducted a study in the lowland Brazilian Amazon,
an area undergoing rapid cropland expansion, to assess the effects of land use change on organic
matter dynamics (OM), ecosystem metabolism, and nutrient concentrations and uptake (nitrate and
phosphate) in 11 first order streams draining forested (n = 4) or cropland (n = 7) watersheds with
intact riparian forests. We found that streams had similar terrestrial litter inputs, but OM biomass
was lower in cropland streams. Gross primary productivity was low and not different between land
uses, but ecosystem respiration and net ecosystem production showed greater seasonality in cropland
streams. Although we found no difference in stream concentrations of dissolved nutrients, phosphate
uptake exceeded nitrate uptake in all streams and was higher in cropland than forested streams.
This indicates that streams will be more retentive of phosphorus than nitrogen and that if fertilizer
nitrogen reaches streams, it will be exported in stream networks. Overall, we found relatively subtle
differences in stream function, indicating that riparian buffers have thus far provided protection
against major functional shifts seen in other systems. However, the changes we did observe were
linked to watershed scale shifts in hydrology, water temperature, and light availability resulting from
watershed deforestation. This has implications for the conservation of tens of thousands of stream
kilometers across the expanding Amazon cropland region.
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1. Introduction
The conversion of land to agriculture has had major consequences for the integrity of
freshwater ecosystems [1]. Recent assessments indicate that half of the globe’s habitable
lands are already used for agricultural production and that this area will continue to expand
as human population and food demand increase [2]. Agricultural land uses have been
associated with substantial losses of freshwater biodiversity; large-scale reductions in water
quality [3,4]; and disruption of basic functional processes such as nutrient cycling and
primary productivity, which support all levels of aquatic food webs [5–7]. Globally, nearly
7.8 million hectares of native forest are cleared every year (average for 1990–2015), most
of which occurs along agricultural frontiers in the mega-diverse wet tropics [8]. Despite
this, we know relatively little about the effects of land use change on streams in lowland
tropical areas compared with those in temperate regions [9–11]. Understanding these
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effects is increasingly important because the lowland tropics support species-rich forests
and savannas [12], with high (and often endemic) aquatic biodiversity [13]—regions that
are now experiencing the most rapid rates of cropland expansion on earth [8,14].
Headwater streams are particularly sensitive to the conversion of land to intensive
agriculture, but these impacts have been much more widely documented in temperate
than tropical regions, [15,16]. Despite their small size, headwater streams make up about
80% of channel lengths in stream networks [17,18] and thus can have large cumulative
effects on downstream ecosystems [19–21]. Headwater streams are typically characterized
by high connectivity to their surrounding watersheds and shading by adjacent vegetation,
which leads to high dependence on allochthonous leaf litter inputs and detritus-based
food webs [21]. The alteration of streamside vegetation can cause major changes to stream
temperatures, and light regimes we well as the timing and quantity of terrestrial organic
matter –all of which are important resources for stream food webs [22–24]. Differences
in streamside terrestrial vegetation can also alter the quality of the litterfall that fuels
stream food webs [25–27]. Leaf quality and chemical characteristics such as carbon (C),
nitrogen (N) content, lignin, tannins, and other phenolics have well-known influences on
decomposition dynamics in streams [26,28]. A recent review found these factors to be
particularly important in determining rates of decomposition in tropical streams [29].
Land use change also affects larger scale watershed characteristics that alter ecosystem
function, including hydrology, sediment transport, water temperature, forest structure,
and fertilizer input that alter ecosystem function [30–32]. For example, the deforestation of
watersheds for agriculture can cause major shifts in stream hydrology, decreasing evapotranspiration and increasing stream discharge [33,34]. In many [35,36] but not all cases [37],
these changes to hydrology increase erosion, sedimentation, and nutrient export. Changes
in watershed hydrology can also make headwater streams more susceptible to periodic
drying, cause rapid changes to discharge, and alter stream channel structure [1,17,37].
These shifts in structure and solute chemistry associated with agriculture can lead to major
changes in stream ecosystem functions, including organic matter processing [23], ecosystem
metabolism [6,38] and nutrient processing [5].
Because of the large influence of streamside vegetation on headwater stream function,
policies that protect riparian forest buffers to mitigate land use effects have been a widely
used restoration and conservation tool [31,39]. Riparian forest buffers provide shade and
modulate stream temperatures [24,40] and potentially can reduce transport of agricultural
nutrients to streams [39]. However, riparian forests do not completely mitigate land
change effects. Forest edges and riparian forest buffers are exposed to hot, dry, and
windy conditions in deforested landscapes that can affect forest structure and influence
light penetration and moisture conditions within the buffers themselves [41,42]. Higher
discharge caused by land cover induced changes to the overall watershed water balance [33]
along with groundwater nutrient concentrations or rapid mobilization of nutrients and
sediments during storm events, can occur with or without riparian forest buffers [3,43].
Even when adequate forest buffers remain, watershed conversion to cropland can reduce
macroinvertebrate abundance [44] and change fish communities [45].
The Amazon–Cerrado Region, part of Brazil’s “Arc of Deforestation”, is a frontier of
rapid land change projected to lose more than 50% of its forest cover by 2030 [46,47]. Land
changes in this region range from deforestation for cattle pasture or soybean cropland;
expansion of cropping onto existing pastures [48]; and double-cropping of soybeans with a
second crop (i.e., intensification), typically corn or cotton, which require additional fertilizer
inputs [49,50]. Riparian forested buffer buffers of 30 m or more required by the Brazilian
Forest Code are typically present along headwater streams throughout this region.
Whether land use change has shifted ecosystem function in streams draining intensively cropped watersheds but with intact riparian buffers has not been well documented,
however. Therefore, we asked whether streams in cropland watersheds with intact riparian
buffers have maintained similar rates of ecosystem function nearly three decades after
deforestation as streams in completely forested watersheds. Specifically, we evaluated
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whether stream litterfall and organic matter (OM) dynamics, rates of ecosystem metabolism,
and nutrient uptake differed between forested and cropland streams with intact riparian
buffers. We hypothesized that there would be little change in terrestrial litter inputs and
quality between forested and agricultural streams, given the similarity of streamside tree
composition. We anticipated some reductions in OM biomass and quality in cropland
streams, however, due to higher stream discharge and higher temperatures, which could
affect stream retention and breakdown rates. We expected higher rates of ecosystem respiration (ER) in forested streams because of greater OM availability but hypothesized that
high canopy cover in both land uses would limit gross primary production (GPP). Finally,
we hypothesized that phosphorus (P) uptake would exceed rates of N uptake in both land
uses, and that uptake would be reduced in cropland streams as a result of reduced OM
stocks and higher stream discharge.
2. Materials and Methods
2.1. Site Description
We worked in headwater streams of the Xingu River Basin, a major tributary of the
Amazon River, at Tanguro Ranch, an 800 km2 soybean and maize farm in Mato Grosso,
Brazil. Tanguro Ranch includes about 500 km2 of forest and 300 km2 of cultivated soybeans
in either a single annual rotation of soybeans or double-cropped rotation of soybeans with
maize (Figure 1).
Mean annual temperature is 27 ◦ C and mean annual precipitation is 1800 mm y−1
(1987–2010 mean), most of which falls from September to April [51]. The ranch lies in the
headwaters of the Xingu River, the fifth largest tributary of the Amazon River by watershed
size (basin area, 446,203 km2 ; length, 1640 km; mean discharge, 8665 m3 s−1 ). Forests in
the region are evergreen, semi-deciduous, seasonally dry transitional forests containing
a mixture of tree species from ombrophilous rainforests (i.e., high annual rainfall) in the
north and the woody Cerrados (tropical savannas; lower annual rainfall) in the south
of the Xingu River Basin [52]. Riparian forests in cropland areas differ from those in
intact forests, however, having lower diversity of trees and seedling/samplings and more
opportunistic pioneer species [40,42]. The landscape at Tanguro Ranch is broadly level,
with wide interfluves that grade to streams with less than 65 m in elevation change and
channel slopes between 0.3◦ and 1.9◦ [33]. Soils are generally medium textured, highly
weathered, base-poor ustic Oxisols. Soils are deep and well drained with a mean soil
texture of 55% sand, 2% silt, and 43% clay across all land uses [53]. All cropped watersheds
at Tanguro Ranch were originally cleared for pasture in the early 1980s and then converted
to soybean cultivation between 2003 and 2008. Tanguro Ranch began double-cropping on a
subset of fields with soybean-maize between the late 2000s and early 2010s (see [54] for
details on fertilization). Environmental conditions and farming practices at Tanguro Ranch
are typical of the southeastern Amazonian agricultural frontier and land use transitions
mirror the chronology of the broader region [55].
We sampled a total of 11 first-order streams during wet and dry seasons over two
years (February 2015–October 2016). Four streams drained completely forested watersheds
(APP2, APP2a, APPM, and APPCN; Figure 1) and six drained watersheds dominated by
cropped fields that had riparian forest buffers of 100–200 m (typical of the region; APP3,
APP4, APP5, APP6, Cascavel (Casc) and Nascente (Nasc); see the Supplementary Materials
for details on watershed delineation and land cover quantification for all watersheds).
Three cropland stream watersheds were single cropped with soybeans that received phosphorus but no nitrogen fertilizer, and three cropland watersheds were double cropped
with soybeans and corn that received phosphorus and nitrogen fertilizer. Because we
found no significant differences in mean discharge (ANOVA; p > 0.05; Figure 2) or nutrient
concentrations (ANOVA; p > 0.05) between these two cropping strategies, we grouped
them as “cropland” streams for all analyses. Ten streams were included in analyses of
stream discharge, temperature, leaf area index (LAI), nutrients and litterfall, with a subset
measured for stream metabolism (three forested, five cropped watersheds; Table S1) as
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well as stream habitat, OM, and nutrient uptake (three forested, three cropped). We also
included metabolism measurements from an additional stream (APP P), which drained a
cropland watershed but had no riparian buffer for comparison with rates measured below
dense forest canopies. We did not include APP P in any of the statistical analyses presented
here, however.

Figure 1. Location of study area and streams. Study watersheds were delineated upstream from the stream gage sampling
location (shown in black). Watersheds are shown in colors according to their land use and riparian protection: green
(forested), brown (cropland with riparian forest), and orange (cropland without riparian forest; Supplementary Materials,
Methods Section). The inset shows the location of Tanguro Ranch (red square) din southeastern Amazonia, with dark green
representing closed canopy forests, yellow representing deforested areas, and gray representing areas outside the Brazilian
Amazon. Land cover layers are generated from Landsat 8 data (2013).
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Figure 2. Daily (A) stream discharge and (B) water temperature in 10 streams included in the study.

2.2. Stream Physical-Chemical Characteristics
Each stream had an established monitoring site for the measurement of stream stage,
discharge, and temperature. HOBO pressure loggers (Onset Computer, Bourne, MA,
USA) measured hourly stream stage and temperature. We calculated hourly discharge
from rating curves extrapolated with power functions based on periodic measurements of
stream cross-sectional area and water velocity across a range of discharges [33]. We used
gap-filling methods as described in [51] and then calculated mean annual and seasonal
discharges and temperatures for each stream.
We measured basic physical-chemical parameters (water temperature, specific conductivity, pH, dissolved oxygen) monthly at the discharge monitoring location in forest
streams and in a subset of the cropland streams (Cascavel, APP3, APP4, APP5) using a
handheld multiparameter meter in the field (YSI ProPlus, YSI Inc., Yellow Springs, OH,
USA), at which time we also collected water samples for nutrients and total suspended
solids (TSS). At each location, we collected three water samples from a 1-L polyethylene
bottle that we triple rinsed with stream water. We filtered one sample using a Swinnex
syringe filter cartridge (Millipore® , Bilercia, MA, USA) and an ashed 25 mm glass fiber
filter (Whatman GF/F) into a 40 mL bottle for analysis of nitrate (NO3 -N)and soluble
reactive phosphorus (SRP) into an acid-washed 60 mL plastic bottle and preserved it with
a small amount of thymol (to inhibit microbial activity) and froze it generally within 4 h.
We measured TSS by filtering a separate measured volume of water through a pre-weighed
glass fiber filter, which was then dried at 60 ◦ C and reweighed.
2.3. Litterfall Inputs to Streams
We measured litterfall input (g m−2 d−1 ; ash free dry (AFDM), C, and N mass) using
litter traps collected biweekly over two years (May 2016–May 2018) to assess whether
organic matter inputs varied by land use and season. We sorted litter (n = 3 per stream;
1-mm mesh screen; 0.48 m2 (0.6 × 0.8)) by leaves, wood (excluding large pieces > 1 cm
long) and reproductive materials (fruits + flowers + seeds); [56]) weighed oven-dried
(65 ◦ C for 48 h), and ash-free dry mass (AFDM; 450 ◦ C for 4 h), and determined C and N
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content (elemental analyzer (Thermoflash 2000 CE Elantech Inc., Lakewood, NJ, USA) on
all samples from one monthly collection period.
We estimated stream canopy cover every two months from January 2016 to November
2017 by measuring the LAI (m2 m−2 ) using a plant canopy analyzer (LiCor 2000, LI-COR
Biosciences Inc., Lincoln, NE, USA).
2.4. Stream Habitat and OM Standing Stocks
We quantified stream physical and habitat characteristics within a 200 m reach of
six streams corresponding to our measurements of metabolism and nutrient uptake once
during the rainy (between January and March) and dry (October) seasons of 2016. We
established transects spaced every 20 m within the reach, where we measured bankfull
width and took point measurements of depth and categorical habitat types (sand, leaf
pack, coarse benthic OM (CBOM), fine benthic OM (FBOM), and wood) every 10–20 cm
along each transect depending on stream width. We then averaged across transects to
characterize mean width, depth, and percent cover of each habitat type for each stream
(Table 1).
Table 1. Characteristics (mean ± SE) of forest and cropland streams in the rainy and dry seasons. Bold text and * indicate
significant differences at p < 0.05. Stream slope is only reported in the dry season because it was only measured in the dry
season and not anticipated to differ by season (na = not applicable).
Forest
Rainy
Basin area (km2 )
Forest cover (%)
Agricultural cover (%)
Discharge (L s−1 )
Stream velocity (m s−1 )
Stream slope (m m−1 )
Channel depth (cm)
Channel width (cm)
Channel width: depth
Canopy cover (LAI)
Water temperature (◦ C)
pH
Conductivity (uS cm−1 )
Dissolved oxygen (%)
FBOM (%)
Coarse litter (%)
Leaf pack (%)
Sand (%)
Wood (%)

1107 ± 203
95 ± 2
2±1
82 ± 25
0.12 ± 0.03
na
33 ± 4
210 ± 37
6.2 ± 0.47
3.8 ± 0.5
24.6 ± 0.1
4.9 ± 0.2
7.4 ± 1.3
62.9 ± 5.5
10 ± 6
18 ± 9
20 ± 9
23 ± 16
9±1

Cropland
Dry

Rainy

43 ± 10
0.09 ± 0.02
0.002 ± 0.000
24 ± 2
91 ± 6
3.7 ± 0.23
6.4 ± 0.3
24.4 ± 0.1
4.2 ± 0.2
6.3 ± 0.3
75.8 ± 7.2
11 ± 3
8±4
42 ± 2
19 ± 10
13 ± 6

813 ± 299
23 ± 1
75 ± 1
296 ± 69
0.15 ± 0.08
na
32 ± 3
201 ± 18
6.4 ± 1.19
3.1 ± 0.4
26.2 ± 0.3
5.3 ± 0.0
5.1 ± 0.2
62.4 ± 10.7
15 ± 8
16 ± 16
13 ± 7
26 ± 4
3±2

Source of Variation
Dry

Pland use

Pseason

Pinteraction

114 ± 33
0.14 ± 0.09
0.005 ± 0.001
31 ± 4
85 ± 32
3.1 ± 1.57
4.8 ± 0.3
25.7 ± 0.2
4.6 ± 0.5
5.4 ± 0.2
80.7 ± 6.5
39 ± 14
14 ± 4
4±1
5±5
10 ± 8

0.171
0.013 *
0.013 *
0.027 *
0.106
<0.001 *
0.212
0.326
0.850
0.059
<0.001 *
0.277
0.007 *
0.957
0.100
0.924
0.059
0.815
0.278

0.019 *
0.445
na
0.279
<0.001 *
0.023 *
0.001 *
0.122
0.075
0.796
0.081
0.156
0.621
0.489
0.518
0.147

0.495
0.719
na
0.159
0.100
0.685
0.131
0.644
0.998
0.237
0.680
0.236
0.656
0.831
0.225
0.949

We quantified standing stocks of CBOM and FBOM in the wet (January) and dry
(October) seasons of 2016. Triplicate coarse and fine benthic OM samples (n = 3 per
substrate type) were collected on five substrate types (FBOM, CBOM, leaf pack, sand, and
wood) in both seasons. We used a cylinder of known area (~30 cm diameter) for sampling
coarse and fine OM settled on streams bottom up to 2 cm depth in the sediments. We
suspended OM by vigorously stirring, and all coarse benthic material (CBOM; >1 mm)
was collected using a 1 mm sieve and separated into leaf detritus, wood, and seeds. To
scale up, we multiplied a subsample (125 mL) of suspended fine benthic organic material
(FBOM) by water volume (mL) in the cylinder by mass of material filtered (GF/F) per ml.
In addition, we determined AFDM, C and N content, and C:N ratio of CBOM and FBOM
on all samples using the same methods as for litterfall. We scaled OM standing stocks to
the reach (g m−2 ) using percent distribution of the benthic substrates in each reach, the
standing stock estimate for CBOM and FBOM, and the estimates of %AFDM, % C, and %N
determined on benthic samples.
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2.5. Stream Metabolism
We measured stream metabolism–GPP, ER, and net ecosystem production (NEP)between one and four times in eight of the study streams: three forest streams and five
cropland streams in the rainy (Jan-Feb) or dry (Oct-Nov) seasons over two years (2015–2016;
Table S1). We recorded water temperature and dissolved oxygen (DO) at a single station in
each stream for 3–5 days at 10 min intervals using an EXO2 multiparameter sonde equipped
with an optical DO sensor (YSI Inc., Yellow Springs, OH, USA). Sensor [O2 ] measurements
were calibrated using the air-saturated water technique prior to deployment.
We measured irradiance in 10 min intervals (with a HOBO® universal weather station
photosynthetically active radiation (PAR) sensor; (Onset Computer Corp., Bourne, MA,
USA) at two open sites and three streamside locations (APP2, APP3, and Cascavel). We
placed one streamside PAR sensor at an intact forest site and two cropland sites. Because
we did not have available PAR during all sonde deployments reflective of light below the
canopy, for consistency, we used modeled irradiance [57] based on total incident PAR for a
given geographic location during a specified time frame using latitude, longitude, time,
and a user specified value for atmospheric transmissivity. We calibrated these modeled
data to measured data from two streamside locations through the model’s user-specified
scaling coefficient. Previous work suggested that irradiance below the canopy could vary
by land use because of differences in riparian forest conditions [42], which both our LAI
and PAR measurements confirmed (Figure 3 and Figure S1). Therefore, we used land
use-specific scaling coefficients to accurately reflect available light in forest versus cropland
watersheds. Our modeled irradiance data accurately captured the timing and shape of
our measured PAR data (Figure S1), which are most critical for accurately estimating the
parameters of the photosynthesis-irradiance relationship [57].
We fit a mass-balance model of oxygen dynamics to these data to estimate rates of GPP,
ER, and gas exchange [57–59]. The model simulates changes in stream oxygen concentrations by estimating light-dependent oxygen production via photosynthesis, temperaturedependent oxygen consumption via respiration, and oxygen exchange between the stream
and the atmosphere dependent on the gas transfer velocity and concentration gradient:
dO2
= [k([O2,sat ] − [O2 ]) − R + P]/D
dt
where [O2 ] is the dissolved oxygen concentration (mg m−3 ), [O2 ,sat] is the dissolved
oxygen concentration at atmospheric equilibrium, R is the instantaneous respiration rate, P
is the instantaneous rate of photosynthesis (both in units of mg O2 m−2 h−1 ), and D is the
average depth (m). The first term in the above equation is the net effect of gas exchange
(G), which is the gas transfer velocity, k (m h−1 ), times the O2 concentration gradient.
We estimated model parameters in a Bayesian context [57–59] and specified priors on
a subset of model parameters (Table S4). We estimated k from the daily oxygen time series
as in [57] but used a normal prior with a mean for each stream generated from slope and
velocity as described by Raymond et al. [60] and detailed in the Supplementary Materials,
Methods Section and Table S3. We estimated posterior probability distributions for each
of the parameters through the implementation of a Markov Chain Monte Carlo (MCMC)
algorithm in the software program AD Model Builder (ADMB). We implemented three
MCMC chains with unique starting values to be sure the chains fully explored the posterior
parameter space. To test for model convergence, we used the Gelman–Rubin diagnostic
which tests for within vs. among chain variance, tested the saved draws for all parameters
for autocorrelation of 5% using the acf function in the CODA package in R [61] and visually
examined parameter traces.
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Figure 3. Spatial and temporal patterns in litterfall and LAI. (A) Intra-annual variation in litterfall biomass (g/m2 /month;
mean ± SE), (B) Variation in monthly average litterfall across streams, (C) Seasonal variation in LAI (monthly mean ± SE),
and (D) and variation in monthly average LAI across streams. Format of boxplots is as follows: horizontal line indicates the
median value, box shows the inter-quartile range, and whiskers extend to 1.5 times the inter-quartile range. Forest streams
(n = 4) are in grey and cropland (n = 6) streams in black in all panels.

2.6. Estimating Nutrient Uptake
We performed a series of short-term stream nutrient enrichments at six stream sites:
three cropland and three forested (Table S1) during the rainy (January) and dry (October)
seasons in 2016. We added biologically active nutrients (NO3 − (as NaNO3 ) and PO4 3−
(as KH2 PO4 )) and conservative (sodium chloride, NaCl) tracers to all streams. We used
instantaneous nutrient additions (i.e., breakthrough curve, slug, pulse addition; [62]) to
calculate nutrient uptake metrics using the tracer mass recovery approach [63]. We selected
reaches that ranged from 60–305 m in length (Table S5) and excluded large pools, wetland
areas and any inflowing streams. We then enriched streams 5 times above ambient nutrient
concentrations and 10× above ambient Cl− concentrations, having estimated ambient
concentrations based on data from published studies and earlier sampling events (2008–
2015; data from [51]).
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One day prior to the nutrient addition, we measured stream discharge (Q, L s−1 )
using stream cross sectional area and flow velocity to calculate the required mass of solute.
We then dissolved nutrients and NaCl in stream water and added as an instantaneous
“slug” addition. We monitored conductivity and collected water samples throughout the
breakthrough curve downstream. Once conductivity started to rise, indicating the arrival
of the nutrient slug, we sampled every 2–5 units of conductivity until conductivity returned
to ambient conditions to fully characterize the shape and magnitude of the concentration
curve. We collected grab samples in acid washed bottles, filtered through a Whatman GF/F
glass fiber filter in the field, returned to the lab on ice, added thymol as a preservative, and
stored frozen until analysis.
We calculated a set of nutrient uptake metrics for each stream using the “slug breakthrough curve-integrated (BTC) approach” through determining how much added tracer
was recovered at the base of the reach as outlined in [63] and detailed in the Supplementary
Materials, Methods Section. Calculated metrics included the BTC-integrated uptake length
(Sw; m), areal uptake rate (U; reported as µg m−2 min−1 ), and uptake velocity (Vf; mm
min−1 ) of the added nutrient. Sw is a measure of the mean downstream distance a nutrient
travels in the water column; shorter uptake lengths indicate more efficient nutrient use.
Sw can be highly influenced by discharge, however. Therefore, to compare across streams
and seasons, we focus on U which partially accounts for hydrologic influences on Sw and
Vf, which a provides a measure of nutrient use efficiency. We calculated the proportion
removed based on equations from [64].
In January, we analyzed Cl and NO3 − samples with ion chromatography using an
Anion/Cations Dionex ICS-1000 with AS40 autosampler. We analyzed PO4 3− using a
discrete automated colorimetric analyzer using the molybdate method (Lachat Quickchem
8500; APHA 2006). We analyzed October samples using automated colorimetry (AstoriaPacific, Clackamas, Oregon). Minimum detection limits are as follows: Cl = 0.01 mg L−1 ,
NO3 − = 0.002 mg L−1 , and PO4 3− = 0.003 mg L−1 . Analytical precision is <10% relative
percent difference or the detection limit, whichever is greater. We determined the total
mass of added Na, Cl, P, and N used in each experiment based on the mass of salt used in
each experiment and the elemental content of each salt.
2.7. Data Analysis
We evaluated land use and seasonal differences in OM stocks, litter inputs, litter and
OM C and N content, and nutrient uptake metrics using a two-way analysis of variance
(ANOVA) that also included an interaction between land use and season. We compared
differences in metabolic rates between land uses and seasons using linear mixed models
with a random effect on the intercept for “Stream” and “Year” using the lme4 package in
R [65]. We chose this model structure to account for variation among years and streams
in how metabolic rates responded to land use or season. We compared these models
using the Akaike Information Criterion corrected for small sample sizes (AICc) [66] and
report marginal (R2 m, fixed effects) and conditional (R2 c, full model) R2 values for each
model (MuMIn package; [67]. We performed pairwise comparisons using the ‘emmeans’
package which calculates estimated mean differences from model outputs (EMM; [68]).
We inspected all data for normality, and we log(x + 1) transformed prior to analysis to
meet assumptions of homogeneity of variances and normally distributed residuals where
necessary. We restricted our analyses to the categorical effects of land use and did not
formally evaluate the effects of environmental drivers because of our frequently low sample
size (n = 6 for OM stocks and nutrient uptake) and the frequent occasions where we were
not able to measure rates (e.g., GPP, nitrogen uptake). We ran all statistical analyzes in R
version 4.0.3 (R Core Team, 2020).
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3. Results
3.1. Stream Characteristics
Forest watersheds were 95% forest and cropland watersheds were 75% cropland on
average (Table 1), with no difference in basin area (Table 1). Stream discharge (Figure 2,
range: 29 to 567 L s−1 ) was on average 2.6–3.6 times higher in cropland streams and was
1.9–2.6 times larger in the rainy season compared to the dry season across both land uses.
Stream channel width (0.46 to 2.58 m), depth (20 to 42 cm), and width: depth ratios (3.1–6.4)
did not differ with land use but fluctuated more seasonally in cropland streams than it did
in forested streams (Table 1).
Cropland streams had lower conductivity and higher temperatures than forested
streams but did not differ in pH or dissolved oxygen (Table 1). Inorganic N and PO4 3−
concentrations did not differ significantly between land uses in either season (ANOVA,
p > 0.05; Table S2), which was similar to findings from previous longer-term studies at
Tanguro Ranch [51]. We found no differences in solute chemistry or other characteristics
between streams in single-cropped and double-cropped watersheds.
3.2. Litterfall
Leaves were the most abundant fraction of litterfall (90%), followed by wood (~8%)
and seeds (~2%; Table S6). The input of leaves was slightly higher in forest streams (467 g
AFDM m−2 y−1 ) compared to cropland streams (369 g AFDM m−2 y−1 ), but this difference
was only marginally significant (ANOVA; p = 0.070; Table S6, Figure 3). Leaf fall showed
strong seasonality and peaked at the end of the dry season (August–September) in both forest and cropland (Figure 3). Seed input differed significantly between land uses, being four
times larger in cropland (33 g AFDM m−2 y−1 ) compared to forest (8 g AFDM m−2 y−1 )
streams (ANOVA, p = 0.0364; Table S6). As is typical, % C, % N and C:N ratio differed
among litter types (Table S6, Figure S2), with seeds having a higher N content (~1.2 percent N) and lower C:N ratios (~43) than leaves (~0.85 percent N; C:N ~59) and wood
(~0.85 percent N; C:N~69). Total N input in leaf litter was significantly lower in cropland
streams compared to forest, which was driven by leaf dry mass inputs, not a difference in
percent N content between land uses (ANOVA, p = 0.006; Table S6, Figure S2).
Cropland streams had lower LAI than forest streams on average (ANOVA, marginally
significant, p = 0.059), and LAI was 1.5–1.7 times higher in the dry season than the wet
season (p = 0.001, Table 1).
3.3. Stream OM
Percent cover of leaf pack was higher in forest streams than cropland streams (two
times higher in the rainy season, and 10 times higher in the dry season), but that effect
was only marginally significant (ANOVA, p = 0.059, Table 2). Other substrate categories
were similar between forest and cropland streams. Land use significantly affected the
standing stocks of stream OM (Table 2, Figure 4), with CBOM biomass (ANOVA, p = 0.002)
and stocks of C and N (ANOVA, p = 0.001 and <0.001, respectively) being two times
greater in forest than in cropland streams. Leaves and wood were twice as abundant in
forest streams (ANOVA, p = 0.011, 0.031, respectively), as were the respective stocks of C
(ANOVA, p = 0.005, 0.025, respectively) and N (ANOVA, p = 0.004, 0.004, respectively).
These also were driven by biomass, not by differences in percent C or percent N between
land uses (Figure S3). The biomass of seeds did not differ between land uses (Table 2).
There was no effect of season on standing stocks of CBOM and its components (Table 2,
Figure 4). The standing stock of FBOM was 1.5 times larger in the forest than in cropland
streams; however, FBOM had very high variance (standard error often 50% of mean) with
no detectable effect of land use or season (ANOVA, p > 0.05, Table 2).
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Table 2. The mass of organic matter (as ash-free dry mass; AFDM), carbon (C) and nitrogen (N) in benthic organic matter
standing stocks (mean ± SE) in forest and cropland streams in the rainy and dry seasons, and results of statistical analyses.
Total coarse benthic organic matter is the sum of leaves, wood and seeds. Bold text and * indicate statistically significant
effects (p < 0.05).
Standing Stock
(g m−2 )

Forest
Rainy

Cropland
Dry

Leaves
AFDM
413 ± 73
584 ± 155
C
213 ± 44
303 ± 102
N
5.4 ± 0.6
8.2 ± 3.3
Wood
AFDM
503 ± 42
433 ± 204
C
255 ± 20
217 ± 124
N
4.5 ± 0.4
3.7 ± 1.6
Seed
AFDM
32 ± 13
11 ± 3
C
16 ± 6.9
5.5 ± 1.8
N
0.2 ± 0.1
0.1 ± 0.03
Coarse Benthic Organic Matter (CBOM)
AFDM
948 ± 125
1028 ± 229
C
485 ± 61
526 ± 142
N
10 ± 0.2
11.9 ± 3.8
Fine Benthic organic matter (FBOM)
AFDM
590 ± 292
929 ± 271
C
280 ± 180
429 ± 142
N
16 ± 10
25 ± 8.5

Source of variation

Rainy

Dry

Pland use

Pseason

Pinteraction

224 ± 84
103 ± 34
2.6 ± 0.7

193 ± 5
93 ± 9
2.4 ± 0.3

0.011 *
0.005 *
0.004 *

0.547
0.522
0.524

0.631
0.609
0.610

217 ± 63
107 ± 30
1.5 ± 0.3

167 ± 25
82 ± 14
1.1 ± 0.01

0.031 *
0.025 *
0.004 *

0.370
0.360
0.320

0.757
0.751
0.733

10 ± 3
5 ± 1.6
0.1 ± 0.05

11 ± 5
5 ± 2.7
0.1 ± 0.09

0.360
0.327
0.457

0.460
0.429
0.537

0.520
0.520
0.510

452 ± 132
215 ± 56
4.1 ± 0.7

371 ± 15
180 ± 3.4
3.6 ± 0.37

0.002 *
0.001 *
<0.001 *

0.835
0.846
0.959

0.707
0.701
0.586

492 ± 252
195 ± 102
12 ± 7.4

471 ± 26
181 ± 5.3
11.1 ± 1

0.587
0.459
0.506

0.347
0.388
0.400

0.580
0.613
0.622

3.4. Stream Metabolism
All streams were net heterotrophic with rates of GPP ranging from undetectable (0.01)
to 1.9 g O2 m−2 d−1 , ER ranging from 0.10–11.9 g O2 m−2 d−1 , and NEP ranging from
−10 to −0.1 g O2 m−2 d−1 (Table S7, Figure 5). GPP was consistently very low, only
detectable in three cropland and one forest stream. GPP was ~10X higher in cropland
(mean ± S.E: 0.386 ± 0.238) compared to forested streams (0.047 ± 0.040). Neither land
use nor season explained much variation in the response (Figure 5, Table S8) and there
were no significant differences (EMM, p > 0.05). ER did not differ overall between land
uses (forested: 5.2 ± 0.550, cropland: 3.47 ± 1.19; Tables S7 and S8). However, there was a
marginally significant interaction between land use and season, showing that in increase in
ER from the dry to wet season was greater in cropland streams than forested streams (EMM:
t = −2.67, p = 0.07; Figure 5, Tables S7 and S8). This same land use–season interaction
occurred for NEP and was slightly stronger (EMM: t = 2.78, p = 0.05; Table S8), such that
NEP was more negative during the wet season than the dry season in cropland streams
(Figure 5).
3.5. Nutrient Uptake
NO3 − uptake was only measurable during the rainy season and only in three streams
(two cropland streams, one forested stream) with a range of 0 to 20% removal of added
NO3 − (Table 3). Therefore, no statistical analyses were done to evaluate season or land use
differences. For those streams where it was measured, uptake lengths of NO3 − ranged
from about 375 to 1170 m, U ranged from 0–1203.4 µg m−2 min−1 , and Vf ranged from
0–5.6 mm min−1 (Table 3, Figure 6).
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Figure 4. Seasonal and land use differences in the (A) areal biomass, (B) carbon, and (C) nitrogen
of coarse benthic organic matter (OM) in forested (grey, n = 3) and cropland (black, n = 3) streams.
Distinct letters above boxes in each plot indicate significant differences at p < 0.05. Format of boxplots
is as follows: horizontal line indicates the median value, box shows the inter-quartile range, and
whiskers extend to 1.5 times the inter-quartile range.
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Figure 5. Median and variation in (A) gross primary productivity (GPP), (B) Ecosystem respiration
(ER), and (C) Net ecosystem production (NEP) land use and season. Significant differences at p < 0.05
indicated by distinct letters above the boxes. Format of boxplots is as follows: horizontal line
indicates the median value, box shows the inter-quartile range, and whiskers extend to 1.5 times the
inter-quartile range.
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Table 3. Stream discharge, background nutrient concentrations, and nutrient uptake metrics for all streams in all seasons.
Background concentrations reflect the mean of three samples collected prior to nutrient additions. “nm” = not measurable.
Stream

Season

Land Use

Discharge
(L/s)

Background
Chloride
(mg/L)

Background
Nutrient
(mg/L)

Uptake
Length (m)

Uptake Rate
(g/m2 /min)

Uptake
Velocity
(mm/min)

Proportion
Removed

nm
nm
1170.1
nm
546
374.7
nm
nm
nm
nm
nm
nm

nm
nm
1203.4
nm
697.2
936.8
nm
nm
nm
nm
nm
nm

nm
nm
2.295
nm
5.6
3.17
nm
nm
nm
nm
nm
nm

nm
nm
0.2
nm
0.17
0.2
nm
nm
nm
nm
nm
nm

4585
239.4
564.6
289
116.3
70.4
526.6
164.6
nm
56.6
nm
nm

22.11
94.3
260.9
85.1
758.1
227.4
78.2
318.3
nm
136.6
nm
nm

0.74
4.59
4.9
14.9
28.1
16.87
2.64
2.49
nm
12.9
nm
nm

0.02
0.47
0.36
0.65
0.58
0.57
0.25
0.46
nm
0.80
nm
nm

Nitrate (NO3 -N)
APP2
APP2a
APPM
Cascavel
Nascente
APP6
APP2
APP2a
APPM
Cascavel
Nascente
APP6

Wet
Wet
Wet
Wet
Wet
Wet
Dry
Dry
Dry
Dry
Dry
Dry

Forest
Forest
Forest
Cropland
Cropland
Cropland
Forest
Forest
Forest
Cropland
Cropland
Cropland

82.3
26.9
139.1
118.4
105.7
48.3
35.4
11.1
47.1
41
41.2
16.6

0.345
0.259
0.370
0.374
0.476
0.303
0.746
0.431
0.438
0.243
0.260
0.385

0.003
0.012
0.001
0.001
0.004
0.001
0.010
0.030
0.027
0.010
0.010
0.010
Phosphate (PO4 -P)

APP2
APP2a
APPM
Cascavel
Nascente
APP6
APP2
APP2a
APPM
Cascavel
Nascente
APP6

Wet
Wet
Wet
Wet
Wet
Wet
Dry
Dry
Dry
Dry
Dry
Dry

Forest
Forest
Forest
Cropland
Cropland
Cropland
Forest
Forest
Forest
Cropland
Cropland
Cropland

82.3
26.9
139.1
118.4
105.7
48.3
35.4
11.1
47.1
41
41.2
16.6

0.345
0.259
0.370
0.374
0.476
0.303
0.746
0.431
0.438
0.243
0.260
0.385

0.006
0.004
0.005
0.009
0.009
0.004
0.003
0.005
0.006
0.053
0.005
0.005

PO4 3− uptake was measurable in all streams and ranged from 0–80% removal of
added PO4 3− across streams (Table 3). Uptake lengths (Sw) of PO4 3− ranged from about
57 m to 4585 m, uptake rate (U) ranged from 0–758 µg m−2 min−1 , uptake velocity
(Vf) ranged from 0–28.1 mm min−1 (Table 3, Figure 6). There were no significant differences in U among seasons or land uses, whereas Vf was significantly higher in cropland
(mean = 18.2 µg m−2 min−1 ) than forested streams (3.1 µg m−2 min−1 ; ANOVA, F = 9.659,
p = 0.01) and higher during the rainy season (11.7 µg m−2 min−1 ) than the dry season
(6.0 µg m−2 min−1 ; ANOVA, F = 7.946, p = 0.02). There was also a significant interaction
between land use and season, which indicated that seasonal differences in Vf were greater
in cropland streams than inforested streams (ANOVA, F = 5.128, p = 0.05).
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Figure 6. Median and variation in stream nutrient uptake rate and velocity by land use and season: (A) Nitrate uptake rate,
(B) Phosphate uptake rate, (C) Nitrate uptake velocity, and (D) Phosphate uptake velocity. Significant differences at p < 0.05
are indicated by distinct letters above the boxes. Format of boxplots is as follows: horizontal line indicates the median value,
box shows the inter-quartile range, and whiskers extend to 1.5 times the inter-quartile range.

4. Discussion
Despite substantial changes in watershed land cover from forests to intensive crop
agriculture, our study showed that streams with intact riparian forests have experienced
only subtle shifts in OM dynamics, metabolism, and nutrient processing. Further, we
found no evidence of functional differences between single-cropped and double-cropped
watersheds, indicating that riparian forest buffers have thus far protected the stream
functions most strongly associated with the structure of adjacent forests. Riparian buffer
forests at Tanguro Ranch maintained a structure and function similar to native forests,
especially near stream edges [42], and the presence of riparian forest buffers limited rates
of GPP in all streams. We did, however, find higher light penetration through the canopy in
cropland streams, which will likely provide more opportunities for algal production over
the long-term. In addition, despite having similar forest structure and litterfall biomass
(Figure 3), cropland streams had significantly lower OM stocks than forest streams, which
is likely linked to their higher discharge and temperature (Figure 2). Finally, rates of ER
and P uptake showed stronger seasonal differences in cropland than in forested streams,
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likely linked to their greater seasonality in both discharge (Figure 2) and stream OM stocks
(Figure 4). Thus, while riparian forests have buffered some of the effects of land use change,
shifts in watershed and stream hydrology resulting from watershed deforestation have
had important effects on ecosystem functioning that need to be considered to understand
how expanding cropland agriculture may affect tropical headwater streams.
4.1. Litterfall
We observed only marginally significant differences in litterfall biomass between land
uses despite documented differences in riparian forest communities and micro-climate
conditions between forest and cropland watersheds [40,42] (Table S6). Because mean
litterfall biomass was higher in forested watersheds than cropland watersheds (Table S6), it
is possible that high variation and relatively low replication (n = 10 streams, 3 litter traps
within each stream) hindered detection of significant differences in this study. Our estimate
of total annual litterfall (~600 g dry weight m−2 y−1 ) reflects the transitional nature of the
forests in this region between the Amazon and Cerrado biomes [52]. These estimates are
at the low end of the range reported for rainforests of the Amazon basin (500 –1200 g dry
weight m−2 y−1 ; [69,70], lower than values reported for other tropical rainforests [56,71]
but higher than Cerrado savannas (500 g dry weight m−2 y−1 ).
Both forest and cropland streams showed strong and similar seasonality in litterfall
inputs (Figure 3), indicating that land use has not notably shifted the phenology of streamside forests. Riparian forests in both land uses had significant peaks in litterfall at the
end of the dry season (August-September), which is similar to what occurs in other sites
in the Brazilian Amazon and Cerrado where precipitation drives temporal dynamics of
litterfall [69,70,72]. Increased leaf abscission in response to hydric stress is a common
vegetative response in tropical species to avoid excessive water loss from transpiration
during the dry season [73]. Although litterfall peaked near the end of the dry season, the
period of leaf fall spanned a two to four month period depending on the year, a period
longer than in temperate regions, probably because a broad range of semi-deciduous
species were present [52,71]. We also observed small increases in litterfall at the beginning
of the rainy season (November) associated with rainfall and storms in both land uses.
Thus, although there can be some year-to-year variation in the timing of leaf litter pulses
to streams (depending on the dynamics of the early rainy season), we observed no land
use-driven changes in the timing of leaf fall.
4.2. OM Standing Stocks
Despite similarities in litterfall, OM standing stocks were twice as high in forest
streams compared to cropland streams (Figure 4). In addition, OM stocks were high
throughout the year and did not differ significantly between rainy and dry seasons, despite
the strong seasonality in litterfall inputs (Table 2, Figure 4). This pattern is similar to
other streams in the Amazon Basin, but contrasts with patterns in the more seasonally dry
Cerrado, where OM standing stocks fluctuate significantly with precipitation and stream
discharge [70]. This shift in the biomass of OM with cropland land use has potentially
large implications for stream food webs [74–77]. Several studies have shown that reductions in leaf litter and wood in a stream can significantly reduce secondary production by
heterotrophic microbes [78–80] and permeate throughout the food web, reducing macroinvertebrates [81,82] and vertebrate predators like fish and salamanders [83,84]. At our study
site, lower OM standing stocks in cropland streams may be responsible for the decline of
at least one native catfish species that lives among and feeds on coarse terrestrial plant
materials [45]. In addition, Marques et al. [44] found that shredding macroinvertebrates
were only present in forested streams and that scrapers dominated in cropland streams,
indicating that the differences observed in OM stocks likely reflect longer-term trends in
OM dynamics that have affected stream communities.
The lower OM stocks in cropland streams likely reflect a combination of factors including lower cumulative litter inputs through time (Figure 3, Table S6), greater downstream
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transport as a result of consistently higher discharge in cropland streams (Figure 2), and
potentially higher decomposition due to higher temperatures. Although litterfall was only
marginally significantly different between land uses, it was both higher and less variable on
average in forested streams (Table S6, Figure 4). Thus, it is possible that our replication was
too low to capture differences in litterfall inputs and that cumulative differences in litter
input have influenced stream OM stocks over time. In addition, retention efficiency may
differ between cropland and forested streams. Although stream flows remained relatively
stable across wet and dry seasons in this region [51,85], discharge in cropland streams was
2.6–3.6 times greater than forest streams (Table 1, Figure 2) and could lead to increased
transport or physical breakdown of leaves [86,87]. Unfortunately, our understanding of
retention in these streams is limited, as we measured in-stream retention only once in
two streams at the end of the rainy season, at which time we did not find differences in
retention efficiency (data not shown). Litterfall peaks in August-September, late in the dry
season (Figure 3) and discharge start to rise soon thereafter (Figure 2) likely resulting in
the greatest downstream movement of leaf material [70]. Thus, the timing of our retention
experiment missed the period of greatest input and transport of leaves in these streams.
Finally, cropland streams were on average 1.5 ◦ C warmer (Figure 2, Table 1), and it
is possible that water temperatures accelerated microbial litter breakdown in cropland
streams [88–90]. We did not measure decomposition directly nor did we find overall
land use differences in ER (an integrative metric that would include respiration from
decomposition). Given the significant seasonal differences we observed in ER, however, it
is possible that with more continuous measurements we may observe peaks in rates of ER
that correspond with leaf input to streams. It is also possible that rates of OM decomposition
would differ as a result of differences in the traits of surrounding riparian tree communities
and the bioavailability of their leaves [26,29]. We found only minor differences in OM
quality, as measured by C and N content of litter and OM (Table 2, Figure S2), but riparian
tree communities differ between cropland and forested watersheds [42] as does the content
of the dissolved OM pool [91] indicating that our relatively coarse measurements of leaf
quality may not capture more complex differences in bioavailability that could affect rates
of decomposition and result in ecosystem-scale differences in OM stocks. Future studies to
jointly evaluate how changes in land use and riparian species composition have affected
OM dynamics in Amazonian headwater streams will be important for understanding the
underlying mechanisms driving these differences. Such insights could ultimately help
conserve the important food resource that terrestrial OM provides to stream communities
in these altered tropical landscapes.
4.3. Stream Metabolism
We found very low GPP, high ER, and negative NEP in all streams, consistent with other
studies reporting widespread net heterotrophy in forested tropical streams [9]. Low light
availability as a result of dense riparian canopy cover in both land use types likely plays
a large role in constraining photosynthesis (Figure 1; [9,77,92–94]. Our GPP values were
similar to other studies in the neighboring Cerrado region (<0.1–0.818 g m−2 d−1 ; [95,96]),
the Peruvian Amazon (0.07–0.189 g m−2 d−1 ; [97]), and forested headwater tropical streams
more broadly, which typically have very low or undetectable rates of GPP [9,92,93,98,99].
Rates of ER ranged from 0.1–11.9 g m−2 d−1 , which was similar to studies from the Cerrado (0.12–19.58 g m−2 d−1 ; [95,96,99], Amazon (1.8–15.02 g m−2 d−1 ; [97]), and forested
headwater streams in other tropical regions (0.61–20.2 g m−2 d−1 ; [92,93,98,100,101].
Although we found no land use or seasonal differences in rates of GPP, it was
more frequently measurable and, thus, higher in cropland streams than forested streams
(Tables S7 and S8, Figure 5), similar to studies showing greater GPP in agricultural
streams [92,100,101]. We measured lower rates of GPP than reported in streams where
riparian forest cover was highly disturbed or absent, e.g., [92,93]. Although reduced
canopy cover and higher light availability for streams are common consequences of clearing
watersheds for agriculture, we did not anticipate that light regimes would have shifted
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substantially in our cropland streams because of their intact riparian forests. However,
we saw consistently lower LAI both at stream edges (Figure 3) and throughout riparian
forests (Figure S4) in cropland watersheds, indicating light penetration through the canopy
is higher in cropland streams. Previous studies in tropical rainforest streams have found
that primary producers in tropical rainforest streams have relatively high photosynthetic
efficiency and light capturing ability [93,94] making them capable of capitalizing on the
type of low or infrequent light availability we observed. We did not explore why LAI was
higher in cropland riparian forests, but it could result from a shift in canopy structure not
captured by species differences. Alternatively, it may reflect the consistently lower biomass
and distinct seedling composition in forested watersheds [42], which could have important
implications for stream light regimes over the longer term. If changes in the riparian forests
currently observed only at the forest edges were to expand inward to streamside forests, as
has been documented in small Amazon forest fragments [102], changes in light availability
in cropland catchments could influence stream productivity and food webs more broadly
in the future [20,103].
We found no significant effect of land use on ER. Other studies in tropical headwater
streams have generally found ER to be higher in agricultural watersheds than forested
watersheds [92,93,95–97] but not always [99,100]. The major difference we observed was
that ER did not change seasonally in forested streams but was ~2.8 times greater in the
wet season compared to the dry season in cropland streams. This could be for several
reasons. First, OM stocks remained higher in forested streams than cropland streams
throughout the year, thereby providing a large pool that can decompose more consistently
across seasons. Second, this larger seasonal shift in cropland streams could be linked to
their greater seasonal changes in hydrology (Figure 2). Discharge increased 1.9-fold in
forested streams and 2.6-fold in cropland streams between the dry and wet season on
average (Table 1, Figure 2). A potential driver of the increased ER in the wet season is
that higher water levels lead to greater frequency of overbank flows, resulting in increased
interaction with riparian soils and organic materials. Specifically, the width: depth ratio
increased on average 2.9 times (range: 1.2–5.0) from the dry to the wet season in cropland
streams, but only 1.7 times in forested streams (range: 1.3–2.1), indicating a greater degree
of interaction with surface riparian soils and OM, which could increase the rate of ER by
increasing the reactive surface area. Changes in hydrology can drive major shifts in stream
metabolism [104–106]. Further work to characterize metabolic rates across the full annual
hydrologic cycle is needed to better understand the generality of these patterns.
4.4. Nutrient Uptake
Overall, our results indicated that there was reduced capacity for N retention in
streams relative to P, which has important implications for downstream ecosystems as
cropland area and N fertilizer use increase in the region [49]. These results supported our
expectation that in-stream demand for P would exceed that of N given the general pattern
of high N availability and P limitation in Amazon ecosystems [107,108]. This pattern
indicating P limitation is also supported by historical stream nutrient chemistry at Tanguro
Ranch, which showed that most streams had molar ratios of dissolved inorganic nitrogen
(DIN) to PO4 3− > 16:1 (forest streams = 30.5–31.5 and cropland streams = 22.1–60.1; [51]).
NO3 − uptake was measurable in only three streams (one forested, two cropland streams)
and only during the wet season, but was relatively high compared to global means when it
was measured (Table 3 [109]). It is possible that we missed some N uptake if demand for
other forms of N (e.g., NH4 + ) was higher, a common pattern found in one global synthesis
of stream nutrient uptake experiments [109]. Although there are very few results from
studies in the region that have evaluated both NO3 − and NH4 + uptake, they have shown
mixed results [110,111]. Neill et al. [110] found generally higher NH4 + uptake than NO3 −
in Amazon forest and pasture streams. In contrast, Finkler et al. [111] measured consistently
higher NO3 − uptake rates (U) and reported that NO3 − demand was higher than NH4 +
demand in two of four of their sites in the Cerrado. Further, Tromboni et al. [94,112]
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consistently found higher NO3 − than NH4 + uptake in pristine streams in the Atlantic
Forest biome of Brazil. This indicates that demand for NO3 − reflected patterns of N
demand in these systems, but further work is needed to evaluate this explanation.
In contrast, we found that P demand (Vf) increased in cropland streams and was
higher during the wet season in both land uses (Table 3, Figure 6). Similar to ER, the
P demand increased proportionally more in the wet season in cropland streams than in
forested streams. P uptake in streams can be a mix of biotic and abiotic processes, including
sediment characteristics and stream conditions that promote abiotic P sorption [110,113];
hydrologic or geomorphic features of the stream that affect residence time and reactive
surface area through altering transient storage or riparian connectivity [113–115]; rates of
stream metabolic processing [116,117]; or background P concentrations that affect uptake
kinetics by biological communities [118,119]. The capacity for sediment sorption does not
likely differ between land uses. Sorption of P to surface soils is substantial in the Oxisol
soils of the region and P fertilizer additions to fields are unlikely to saturate P sorption
for decades to centuries [53]. The similarly low concentrations of dissolved P between
land uses (Table 3) indicates that differences in uptake kinetics weren’t responsible for the
differences we observed.
Land use differences in P demand are more likely explained by similar hydrological
factors that affected ER and could in fact be a function of that shift in stream metabolism.
Similar to ER, the seasonal effect on P uptake was particularly strong in cropland streams,
which showed a 22-fold increase from the dry to the wet season versus a 1.2-fold increase
in forested streams. The higher discharge in cropland streams during the wet season
could have two potentially contrasting implications for P processing. Higher discharge
increases stream velocity, which could reduce residence time and negatively affect uptake
rates [114,117]. Our results indicate the opposite, however, with higher U and Vf in the
higher discharge cropland streams and during the rainy season. Thus, the more likely
driver of the patterns we observed is increased water levels that led to greater frequency
of overbank flows during the wet season, resulting in increased interaction with riparian
soils and organic materials in cropland streams. This greater hydrologic connectivity both
increases the potential for P uptake by heterotrophic processes (ER) and through sorption
by riparian soils. This pattern may also explain why we only measured notable N uptake in
the wet season (i.e., if increased connectivity allowed for greater N uptake through uptake
or denitrification).
Significant effects of land use on stream nutrient uptake have been widely observed [5,
120,121], but studies of nutrient uptake in the tropics remain relatively rare compared to
other biomes [110–112,117,122,123]. Of those studies that have evaluated land use effects
on nutrient uptake dynamics in the Amazon–Cerrado region, most have shown increases
in both N and P uptake with changes in land use in the Amazon [97,110,124] but have
found mixed results in other regions of South America [122,124]. This emphasizes the
importance of further study work to understand how nutrient retention will respond to
land use change in expanding tropical agricultural regions. Nutrient transport in headwater
streams is likely to vary substantially based on background nutrient availability, soil types,
preservation of riparian forests, and (as our results indicate) the magnitude of hydrologic
change. For example, at Tanguro Ranch, we have not observed increased N export from
streams draining cropland [37,51]. This appears to be caused by accumulation and storage
of fixed or added NO3 − in deep soils [54]. We do not yet know if or how quickly these
stores of nitrate will move from fields to streams, but if they did they could present a major
pulse of nutrients to streams that our results indicate would be transported long distances
downstream, where they could influence larger rivers and coastal systems as seen in other
major river basins of the world [4]. Understanding these fluxes has increasingly critical
implications for downstream streams and rivers as agriculture expands in the region.
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5. Conclusions
The lowland portions of the Amazon River are increasingly being altered and fragmented for agricultural expansion and intensification. Headwater streams may act as early
indicators of how widespread agricultural intensification in the region could affect the
Amazon’s freshwater ecosystems. Our results showed that riparian forests provide some
insurance against major shifts in headwater stream functions, as the differences in light,
primary productivity, and nutrients between land uses were more subtle than typically
observed in agricultural streams. However, we also found that higher and more seasonably
variable discharge in cropland watersheds was linked to differences in OM storage, ER and
rates of P uptake, indicating that the altered hydrology of streams in the region could have
important implications for energy and nutrient flows. Although our study took place at a
relatively small spatial and temporal scale, it fills an important gap in our understanding
of the effect of watershed deforestation and the role of riparian buffers in protect stream
functioning in tropical regions. As pressure for further expansion and intensification of
cropland agriculture increases in this region and other tropical areas, it will be increasingly
important to evaluate how widespread these responses are among headwater systems
and to scale up to larger systems to understand the basin-wide implications for tropical
freshwater ecosystem functions.
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